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Abstract

Treatment of Trace Organic Contaminants and Nutrients in Open-Water Unit Process Wetlands
by
Justin Thomas Jasper
Doctor of Philosophy in Engineering - Civil and Environmental Engineering
University of California, Berkeley

Professor David L. Sedlak, Chair

Treatment wetlands are becoming an increasing popular approach for nutrient removal
from municipal wastewater effluent due to their low cost and energy requirements, as well as the
ancillary benefits they provide. Recently, they have also been considered as a means of
removing wastewater-derived trace organic contaminants. Initial studies of the removal of trace
organic contaminants in treatment wetlands indicate that removal is often insignificant and is
highly variable among systems. Efforts to improve wetland treatment efficiency have been
hampered by a limited understanding of trace organic contaminant removal mechanisms. In this
research, a novel type of wetland, consisting of a shallow cell lined with geotextile fabric to
prevent the growth of emergent macrophytes, is considered for the removal of wastewater-
derived trace organic contaminants and nutrients. When combined with other types of wetland
cells in a unit process fashion (i.e., wetland cells designed to remove specific contaminants are
arranged in series), open-water unit process wetlands may provide a basis for using treatment
wetlands to remove a wide range of trace organic contaminants from municipal wastewater
effluent.

To understand how open-water treatment wetlands could be integrated with other types of
wetland cells in unit process wetlands, the treatment wetland literature was critically reviewed
(Chapter 2). Removal mechanisms of trace organic contaminants and pathogens in treatment
wetlands were considered, including sorption, biotransformation, photolysis, sedimentation,
predation, and photoinactivation. Methods of enhancing these mechanisms in unit process
wetland cells were also identified, both in commonly employed vegetated cells and through the
development of novel wetland configurations, such as open-water cells. To further optimize unit
process wetlands, the arrangement of wetland cells was evaluated. The application of the unit
process concept to a wide range of wastewater contaminants has the potential to make treatment
wetlands a more attractive component of urban water infrastructure.

To assess the ability of open-water cells to exploit sunlight photolysis to remove trace
organic contaminants from municipal wastewater effluent, a photochemical model was calibrated
using measured photolysis rates for atenolol, carbamazepine, propranolol, and sulfamethoxazole
in wetland water under representative conditions (Chapter 3). Contaminant transformation by
hydroxyl radical and carbonate radical were predicted from steady-state radical concentrations
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measured at pH values between 8 and 10. Direct photolysis rates and the effects of light
screening by dissolved organic matter on photolysis rates were estimated using solar irradiance
data, contaminant quantum yields, and light screening factors. The model was applied to predict
the land area required to achieve 90% removal of a suite of wastewater-derived organic
contaminants by sunlight-induced reactions under a variety of conditions. Results suggest that
during summer, open-water cells that receive a million gallons per day of nitrified wastewater
effluent can remove 90% of most compounds in an area comparable to existing full-scale
wetland systems.

The bottoms of open-water wetland cells are rapidly colonized by a biomat consisting of
an assemblage of photosynthetic and heterotrophic microorganisms. To assess the contribution
of biotransformation in this system to the overall attenuation of trace organic contaminants,
transformation rates of test compounds measured in microcosms were compared with attenuation
rates measured in a pilot-scale system (Chapter 4). Biotransformation was the dominant removal
mechanism in the pilot-scale system for atenolol, metoprolol, and trimethoprim, while
sulfamethoxazole and propranolol were attenuated mainly via photolysis. In microcosm
experiments, biotransformation rates increased for metoprolol and propranolol when algal
photosynthesis was supported by irradiation with visible light. Biotransformation rates increased
for trimethoprim and sulfamethoxazole in the dark, when microbial respiration depleted
dissolved oxygen concentrations within the biomat. These observations are consistent with
previous studies in wastewater treatment plants and wetlands at different dissolved oxygen
concentrations. During summer, atenolol, metoprolol, and propranolol were rapidly attenuated
in the pilot-scale system (t12 < 0.5 d), trimethoprim and sulfamethoxazole were transformed
more slowly (t12 = 1.5-2 d), and carbamazepine was recalcitrant (t12>30 d). The combination of
biotransformation and photolysis resulted in overall transformation rates that were 10 to 100
times faster than those previously measured in vegetated wetlands.

In addition to removing trace organic contaminants, the diffuse biomat formed on the
bottom of open-water wetland cells provides conditions conducive to NOs removal via microbial
denitrification, as well as anaerobic ammonium oxidation (anammox). To assess this process,
nitrogen cycling was evaluated over a 3-year period in an open-water wetland cell (Chapter 5).
Approximately two-thirds of the NOz™ entering the cell was removed on an annual basis.
Microcosm studies indicated that NO3™ removal was mainly attributable to denitrification within
the diffuse biomat (i.e., 80+20%), with accretion of assimilated nitrogen accounting for less than
3% of the NOs removed. The importance of denitrification to NOs™ removal was supported by
the presence of denitrifying genes (nirS and nirK) within the biomat. While modest when
compared to the presence of denitrifying genes, the anammox-specific gene hydrazine synthase
(hzs) was detected at higher concentrations near the biomat bottom. This observation, along with
the simultaneous presence of ammonium and nitrate in the biomat, suggested that anammox may
have been responsible for some of the NOs™ removal. The annual temperature-corrected areal
first-order NOs™ removal rate (k20=59.4+6.2 m yr) was higher than values reported for more
than 75% of vegetated wetlands treating effluent where NOs™ served as the main nitrogen species
(e.g., nitrified secondary wastewater effluent and agricultural runoff). Inclusion of shallow,
open-water cells in unit-process wetland systems has the potential to provide simultaneous
removal of trace organic contaminants (Chapters 3 and 4) and pathogens, in addition to NOs", in
land areas similar to those occupied by existing full-scale treatment wetlands.
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CHAPTER 1. Introduction



1.1 Wastewater-Derived Trace Organic Contaminants

Municipal wastewater effluent contains thousands of trace organic contaminants at
concentrations ranging from 107 to 10 grams-per-liter (Table 1.1). Many of these compounds
are classified as pharmaceuticals and personal care products, a family of compounds that can
elicit biological responses at relatively low concentrations. During conventional activated
sludge treatment, these compounds are typically only partially removed via sorption and
biotransformation, due to their relatively low affinity for organic-rich particles and resistance to
biotransformation (Daughton and Ternes, 1999; Ternes et al., 2004a). Due to the limited
removal of trace organic contaminants during wastewater treatment, wastewater-derived trace
organic contaminants are frequently detected in surface waters that receive wastewater effluent
(Kolpin et al., 2002; Kim et al., 2007; Kasprzyk-Hordern et al., 2008).

Table 1.1: Typical Concentrations of Selected Trace Organic Contaminants in Wastewater
Treatment Plant Effluents?

Compound name Concentration (ug L) | Reference

Benzafibrate 0.02-0.07 (Metcalfe et al., 2003)
<0.25-4.6 (Thomas, 1998)

Diclofenac 0.289 (Roberts and Thomas, 2006)
0.03-0.07 (Metcalfe et al., 2003)
0.01-0.56 (Heberer et al., 2001)

Ibuprofen 2.97 (Roberts and Thomas, 2006)
0.03 (Lin et al., 2005)
<0.005-0.01 (Metcalfe et al., 2003)
<0.05-1.43 (Gans et al., 2002)
0.002-0.081 (Buser et al., 1999)
0.22+0.15 (Khan and Ongerth, 2002)

Naproxen 0.017 (Lin et al., 2005)
0.02-0.30 (Metcalfe et al., 2003)
0.35%0.12 (Khan and Ongerth, 2002)
<LOD-0.12 (Heberer et al., 2001)
>0.05-0.52 (Thomas, 1998)

Metoprolol >0.025-2.2 (Hirsch et al., 1996; Thomas,

1998)

Carbamazepine 0.042 (Lin et al., 2005)
0.28-1.11 (Metcalfe et al., 2003)
>0.05-6.3 (Thomas, 1998)

Triclosan 0.01-0.02 (Boyd et al., 2003)
0.2-2.7 (McAvoy et al., 2002)

4Adapted from Nikolaou et al. (2007)

Acute toxicity tests often fail to detect the subtle effects of trace organic contaminants on
aquatic organisms (Daughton and Ternes, 1999; Webb, 2004). More sensitive approaches,
while applied less frequently for toxicity assessments, suggest that certain wastewater-derived
trace organic contaminants can detrimentally affect aquatic organisms at environmentally-
relevant concentrations. For example, steroid hormones such as ethinyl estradiol, one of the
active ingredients in birth control, cause feminization of certain fish species at nanogram-per-
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liter concentrations (Purdom et al., 1994). Exposure to microgram-per-liter concentrations of
pharmaceuticals, such as metoprolol and carbamazepine, can result in ultrastructural damage to
fish organs (Triebskorn et al., 2007). Pharmaceuticals may also cause more subtle effects, such
as altering fish feeding and social behavior (Brodin et al., 2013). In the environment, trace
organic contaminants are present as a mixture of compounds, which may have an additive effect
on aquatic organisms (Schnell et al., 2009). Environmental risk assessments in rivers generally
predict significant risk to aquatic organisms downstream of wastewater treatment plants (e.qg.,
Table 1.2), supporting the assertion that trace organic contaminants in wastewater effluent are
detrimental to aquatic ecosystems (Jones et al., 2002; Hernando et al., 2006; Ginebreda et al.,
2010).

Table 1.2: Potential Ecological Risk of Pharmaceuticals in Environmental Compartments?

Therapeutic ~ Pharmaceutical Ecological Risk®
Group Wastewater Surface Water Sediment
Antibiotics Erythromycin High
Oxytetracycline Medium
Flumequine Medium
Analgesics Ibuprofen High High
Diclofenac High High
Naproxen High High
Ketoprofen High High
Lipid Gemfibrozil High
. Clofibric acid High
B-Blockers Propranolol High Medium
Metoprolol High
Antiepileptics | Carbamazepine High High

aAdapted from Hernando et al. (2006). "Ecological risk is calculated by the ratio of the measured
environmental concentration of a pharmaceutical to its predicted no-effect concentration. Compounds
with ratios of <0.1 are considered low risk; ratios of 0.1-1 are considered medium risk; ratios >1 are
considered high risk.

Humans may be exposed to wastewater-derived trace organic contaminants via
consumption of drinking water from a source that is subjected to upstream effluent discharge or
fish from effluent-impacted surface waters. Thus far, risk assessments have suggested that
human pharmaceuticals in drinking waters pose no appreciable health risks to humans (Schwab
et al., 2005; Cunningham et al., 2009). However, other wastewater-derived trace organic
compounds could be present at concentrations that pose health risks. For example, the
carcinogen nitrosodimethylamine (NDMA) is often present in wastewater effluent at
concentrations that exceed health guidelines for drinking water (Mitch et al., 2003). The
presence of wastewater-derived trace organic contaminants is a particular concern for potable
water reuse projects, because the presence of these compounds can cast doubt on their safety
(Snyder et al., 2003; Toze, 2006; National Research Council, 2012).



Conventional secondary wastewater treatment (i.e., activated sludge) typically results in
less than 50% removal of trace organic contaminants (Figure 1.1). A variety of methods
designed to be applied after conventional municipal wastewater treatment can remove
wastewater-derived trace organic contaminants, but these treatments are often energy intensive
and produce significant amounts of greenhouse gases (Jones et al., 2007). In addition, they may
generate disinfection by-products or solid waste that requires disposal For example, ozone
doses similar to those used for disinfection can remove more than 80% of most trace organic
contaminants from wastewater effluent (Ternes et al., 2003; Snyder et al., 2006; Hollender et
al., 2009). However, the use of ozone requires expensive upgrades to wastewater treatment
plant infrastructure, and may result in the formation of by-products such as bromate (von
Gunten and Hoigne, 1994). Activated carbon can also remove many trace organic contaminants
from wastewater effluent (Snyder et al., 2007), but the sorption capacity of activated carbon is
quickly saturated, requiring disposal or energy for regeneration (Suérez et al., 2008). Treatment
wetlands have been suggested as an alternative approach for removing trace organic
contaminants from wastewater effluent, due to their low operating costs and energy
requirements. However, trace organic contaminant removal mechanisms in wetlands are
currently not well understood, and most wetlands are not designed to treat trace organic
contaminants (see Chapter 2.2).
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Figure 1.1. Box plot comparing trace organic contaminant removal efficiencies of wastewater
treatment technologies (whiskers, 10"-90'" percentile; boxes 25"-75" percentile; solid line,
median). MBR=Membrane bioreactor. Adapted from Oulton et al. (2010).



1.2 Treatment Wetlands

Treatment wetlands have been used to treat wastewater or wastewater effluent for over
50 years (Vymazal, 2010). Due to their long hydraulic residence times (~3-7 days), high
productivity, and diverse microbial communities, treatment wetlands can remove a wide range of
contaminants from wastewater effluent. Historically, treatment wetlands were used to remove
organic matter (i.e., biological oxygen demand), metals, and nutrients from wastewater effluent.
Treatment wetlands also offer a number of ancillary benefits including green space for
recreational opportunities, wildlife viewing, and habitat creation (Fleming-Singer and Horne,
2006).

Commonly employed wetland designs include free water surface wetlands and subsurface
flow wetlands. Subsurface flow wetlands are advantageous in situations in which there is a need
to limit access of humans or animals to the water, as when the wastewater has only been partially
treated. However, the cost of the additional material necessary to fill the wetland (e.g., gravel)
limits the practical size of subsurface flow wetlands. Thus, free-surface flow wetlands are often
preferred for large projects (Kadlec, 2009).

Free water surface wetlands are typically planted with emergent macrophytes which
provide a carbon source for microbial communities. Macrophyte choice may affect removal
rates of certain contaminants. For example, plants with high acid soluble carbon contents may
enhance denitrification (e.g., Typha sp.) (Bachand and Horne, 2000), while plants rich in lignin
may be better suited for sorption of contaminants (e.g., Scripus sp.) (Horne and Fleming-Singer,
2005). In addition to macrophyte choice, wetland hydraulics are critical to free water surface
wetland treatment efficiency. Preferential flow paths through vegetation can lead to hydraulic
short-circuiting, which can drastically reduce wetland performance (See Chapter 2.2).

In the United States, treatment wetlands are commonly employed for the removal of
nutrients from wastewater effluent. Nitrate is removed mainly via microbial denitrification in
anaerobic zones within wetlands. Phosphate may be removed via sorption, precipitation, or
uptake, although in most cases the phosphate removal capacity of a wetland is quickly saturated,
and thus wetlands are not typically a sustainable approach for phosphate removal (Vymazal,
2007). Treatment wetlands are also capable of removing many other contaminants from
wastewater effluent, including metals via precipitation of metal sulfides (Kadlec and Wallace,
2009), and pathogens (see Chapter 2). In addition to treating wastewater effluent, wetlands are
sometimes used to treat primary or secondary wastewater, reducing biological oxygen demand,
in addition to removing other contaminants (Solano et al., 2004).

Treatment wetlands have also been considered for the removal of trace organic
contaminants from wastewater. Wetlands receiving wastewater effluent have been reported to
remove more than 70% of certain trace organic contaminants (Li et al., 2014; Verlicchi and
Zambello, 2014). In some situations wetlands can achieve higher trace organic contaminant
removal efficiencies than conventional wastewater treatment plants (Figure 1.2). However, trace
organic contaminant removal efficiencies differ drastically among wetland systems (see Chapter
2), because wetlands often are not optimized for trace organic contaminant removal. Trace
organic contaminant removal in treatment wetlands is typically ascribed to sorption, uptake by
plants, biotransformation, and in wetlands with open-water sections, photolysis. However, the
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relative importance of these mechanisms is often unknown. Of these mechanisms, only
biotransformation and photolysis are sustainable, since sorption and uptake capacities will
quickly be saturated if not coupled to biotransformation. Each of these mechanisms is
considered in detail in Chapter 2.
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Figure 1.2: Comparison of trace organic contaminant removal efficiencies in treatment wetlands
and conventional wastewater treatment plants (WWTPs). Adapted from Li et al. (2014).

1.3 Motivation and Research Objectives

1.3.1 Motivation

Treatment wetlands are an attractive option for removing nutrients from wastewater
effluent, due to their low cost and energy requirements. In addition, they offer ancillary benefits,
such as the creation of wildlife habitat and recreational opportunities. When properly designed,
treatment wetlands also may remove wastewater-derived trace organic contaminants. However,
wetlands are currently not designed to exploit many potential trace organic contaminant removal
mechanisms, such as photolysis and biotransformation.

Photolysis is an important removal mechanism for many trace organic contaminants in
lakes and shallow streams. However, in vegetated wetlands, photolysis is ineffective due to
shading of the water column by emergent vegetation and deep water. In addition, many trace
organic contaminants undergo biotransformation at enhanced rates under aerobic conditions, for
example during certain wastewater treatment processes, as compared to under anaerobic
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conditions. Vegetated wetlands, however, are typically designed to be dominated by anaerobic
zones, which may limit the biotransformation rates of trace organic contaminants.

In order to enhance trace organic contaminant removal, treatment wetlands can be
designed as a series of unit process wetland cells, with each cell optimized to remove
contaminants via specific mechanisms. In this manner, vegetated wetlands that allow for
contaminant removal under anaerobic conditions (e.g., via denitrification) can be put in series
with novel wetland cells that enhance other removal mechanisms, such as photolysis and aerobic
biotransformation. The resulting unit process wetland can provide more efficient and reliable
removal of a wider range of contaminants than a single type of wetland, or than a wetland
constructed following “natural design”.

Open-water wetland cells are a novel type of treatment wetland that could provide an
effective means of removing trace organic compounds by exploiting photolysis and aerobic
biotransformation. These wetland cells consist of shallow basins lined with a geotextile fabric to
prevent the growth of emergent macrophytes, allowing sunlight to penetrate the shallow water
column. Sunlight transforms trace organic contaminants via photolysis, and it enables the
growth of a diffuse photosynthetic biomat on the wetland bottom. Trace organic contaminants
can be transformed via biotransformation within the biomat, and transformation rates may be
enhanced by the oxic conditions produced by photosynthesis. In addition, nutrients may be
removed in the wetland biomat. Incorporation of open-water wetlands into unit process wetlands
has the potential to enhance the removal efficiency of trace organic contaminants as well as
nutrients in treatment wetlands.

1.3.2 Objective 1: Critically Review Literature on Trace Organic Contaminant Removal in
Treatment Wetlands

To provide a foundation for identifying the best approach for removal of trace organic
contaminants, a critical review of the literature on treatment wetlands was undertaken. Trace
organic contaminants could be broadly categorized as easily removed regardless of treatment
wetland design (>60% removal), moderately removed in most studies (40-60% removal), or
recalcitrant to removal regardless of wetland design (<40% removal). Possible trace organic
contaminant removal mechanisms were evaluated, including sorption, biotransformation, and
photolysis. Sorption was found to provide only limited removal of trace organic contaminants,
since the sorptive capacity of wetlands is quickly saturated. Biotransformation was determined
to be the most important removal mechanism for trace organic contaminants in vegetated
wetlands. Nonetheless, removal rates of many contaminants were enhanced under aerobic
conditions, as opposed to the anaerobic conditions typical of vegetated wetlands. Due to shading
by emergent vegetation, removal of trace organic contaminants and pathogens via reaction with
sunlight in vegetated wetlands was found to be insignificant. However, photolysis is known to
remove certain photo-labile trace organic contaminants and pathogens in shallow streams or
open-water bodies. Based on these conclusions, methods to enhance trace organic contaminant
removal efficiencies in wetlands were suggested, including through the development of novel
wetland cells, such as open-water cells.



1.3.3 Objective 2: Evaluate Photolysis of Trace Organic Contaminants in Open-Water Wetland
Cells

To determine design parameters for open-water cells, photolysis of a suite of trace
organic contaminants in open-water wetland cells was evaluated. A model for trace organic
contaminant photolysis in wetlands was developed using values from the literature and from
laboratory experiments, and this model was validated using a solar simulator. Model parameters,
such as wetland depth, pH, dissolved organic carbon content, and nitrate concentration, were
then varied to determine the optimal conditions for the removal of trace organic contaminants
through photolysis in open-water wetlands. Using this information, the wetland area necessary
to achieve efficient removal of trace organic contaminants (i.e., 90% removal from 1 million
gallons per day (MGD) of wastewater effluent: Al,) was estimated and compared to the size of
existing full-scale wetlands.

1.3.4 Objective 3: Evaluate Biotransformation of Trace Organic Contaminants in Open-Water
Wetland Cells

Trace organic contaminants may be removed by microbial transformation in the diffuse
biomat that forms on the bottoms of open-water wetland cells. To evaluate the extent of
biotransformation, removal rates of a suite of trace organic contaminants were measured in
laboratory microcosms, as well as in a pilot-scale open-water wetland cell. By illuminating
microcosms with visible light at wavelengths that did not cause photolysis, it was possible to
evaluate the effect of photosynthesis on the biotransformation and sorption of trace organic
contaminants. Comparison of removal rates of ambient trace organic contaminants in the pilot-
scale wetland to removal rates predicted by microcosm experiments and a photolysis model
verified predictions of the removal mechanisms of each test compound. Removal rates in open-
water wetlands were compared to rates in vegetated wetland cells, and the area necessary for
efficient removal of test compounds (A},) was estimated.

1.3.5 Objective 4: Evaluate Nitrate Removal in Open-Water Wetlands

Nitrate removal is one of the primary objectives of many treatment wetlands. Although
open-water wetlands were designed to maximize trace organic contaminant and pathogen
removal, the removal of nitrate would enable them to be included in unit process wetland
systems without sacrificing nitrate removal. To evaluate the potential for nitrate removal in
open-water cells, nutrient fluxes were monitored in a pilot-scale system over a 3-year period.
Seasonal nitrate removal rates were calculated and their temperature dependence was
determined. Microcosm experiments, in addition to mass balances on carbon, nitrogen, and
phosphorus, provided a means of calculating the importance of sedimentation, microbial
denitrification, and anammox to nitrate removal. The wetland size necessary for efficient
wetland removal (A},) of nitrate was estimated and compared to A}, values for vegetated
wetland systems.



CHAPTER 2. Unit process wetlands for removal of trace organic
contaminants and pathogens from municipal wastewater effluents.

Reproduced with permission from Jasper, J.T.; Nguyen, M.T.; Jones, Z.L.; Ismail, N. S.; Sedlak,
D.L.; Sharp, J.0.; Luthy, R.G.; Horne, A.J.; Nelson, K.L. Unit process wetlands for removal of
trace organic contaminants and pathogens from municipal wastewater effluents. Environ. Eng.
Sci. 2013, 30, 421-436.
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2.1 Background

Attempts by scientists to estimate the value of ecosystem services provided by natural
wetlands rank them among the most valuable land on earth (Costanza et al., 1997). They have
been called “nature’s filters”, and the role that natural wetlands play in water purification is part
of the justification for their protection and restoration. In an attempt to harness these properties,
treatment wetlands have been built for a wide range of applications to improve water quality,
including treatment of industrial and municipal wastewater, as well as stormwater, agricultural
runoff, and acid mine drainage (EPA, 1993; Vymazal, 2009; Malaviya and Singh, 2012).
Wetlands are becoming an increasingly popular option with water agencies because of their low
operation cost, energy consumption, and environmental impact (Gearheart, 1999; Fuchs et al.,
2011). In addition, wetlands provide ancillary benefits, such as the creation of aesthetically
appealing green spaces and wildlife habitat (Fleming-Singer and Horne, 2006). Wetlands
specifically designed for treatment of municipal wastewater effluent have been used for at least
five decades for the removal of suspended solids, biochemical oxygen demand (BOD), nutrients,
metals, and pathogens (Mitsch and Gosselink, 2007; Kadlec and Wallace, 2009; Vymazal, 2010).

Many of the treatment wetlands built in the second half of the 20" century consisted of
relatively small plots of land, typically less than 5 hectares (EPA, 2000b; Kadlec, 2012). More
recently, the size of treatment wetlands has expanded with systems covering as much as
475 hectares and treating up to 2.5x10° m3d* (60 MGD) of wastewater effluent, or effluent-
dominated river water (Table 2.1). The main purpose of these large wetland systems is typically
a combination of nutrient removal and habitat creation. Increasingly, the removal of trace
organic contaminants and pathogens is also invoked as a benefit. This new trend, coupled with
the continued construction of smaller treatment wetlands, indicates that treatment wetlands are
becoming an important part of urban water infrastructure. Despite their increasing popularity,
many barriers still prevent them from realizing their full potential for improving water quality
and enhancing aquatic habitat.

One of the most significant barriers to the use of treatment wetlands is the difficulty of
designing wetlands with predictable performance. Compared to mechanical unit treatment
processes, the ecological, transport, and transformation processes occurring in treatment
wetlands are even more complex and are not fully understood. For some constituents researchers
have made progress understanding the detailed transformation mechanisms, including models
that account for the complexity (e.g., Wang and Mitsch, 2000; Howell et al., 2005). However,
such complex models cannot be used for design purposes because they are too difficult to
parameterize. Nonetheless, the insights provided by mechanistic research can provide the
foundation for designing unit process treatment wetlands, with each unit process tailored to the
treatment of a specific set of contaminants, by identifying the most important parameters
controlling performance. This unit process approach is not meant to undervalue the complexity
of wetland ecosystems. Rather, by optimizing specific transformation mechanisms in unit
process cells, they can be more easily integrated with other mechanical or natural treatment
systems to provide treatment trains with predictable performance.

For example, mechanistic research coupled with studies of full-scale systems has led to
robust design approaches for unit process wetlands for denitrification (Kadlec, 2012). Such
denitrification wetlands can be used to treat nitrified effluent from mechanical wastewater
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treatment plants (e.g., Table 2.1), or they can be staged after shallow aerobic nitrification
wetlands (Hammer and Knight, 1994; Vymazal, 2007). Similarly, hybrid wetlands comprised of
a vertical flow cell and a cell with calcite media have been shown to be effective at removing
both BOD and phosphorus from wastewater (Arias et al., 2003). In addition, deep detention
ponds for particle removal and anaerobic digestion of solids prior to vegetated wetlands and slow
sand filters have been suggested to provide efficient treatment of municipal wastewater (Horne
and Fleming-Singer, 2005).

Table 2.1: Examples of Large, Full-Scale Treatment Wetlands in the United States.
Wetland Location Size Flow Stated Purpose

Name (ha) | (m3d)
Year Started

Easterly’ | Orlando, FL 475 | 8x10* | Nutrient removal from wastewater
before release to the sensitive St.
1987 Johns River; wildlife habitat

Prado? Riverside, CA | 200 | 2.5x10° | Nitrate removal from effluent-
dominated Santa Ana River prior to
1992 Prado dam, which is used for
aquifer recharge; wildlife habitat

George Tarrant 180 4x10° | Suspended solid and nutrient
W. County, TX removal from effluent-dominated
Shannon?® Trinity River prior to reservoirs;
2002 wildlife habitat; education

! http://www.trwd.com/Wetlandsoverview.aspx
2 http://www.ocwd.com/Prado-Wetlands/ca-28.aspx
3 http://www.dep.state.fl.us/water/wastewater/dom/oreastwet.htm

Despite the increasing use of unit process wetlands for nutrient and BOD removal,
current understanding of removal mechanisms in wetlands for certain classes of contaminants
has not yet been translated into the design of unit process wetlands. This critical review focuses
on the application of surface flow unit process wetlands to the removal of two such classes of
contaminants, trace organic compounds and pathogens, from wastewater effluent and effluent-
dominated river water. Trace organic contaminants are an emerging concern, due to their
negative effects on aquatic ecosystems and the inability of conventional wastewater treatment
plants to provide adequate removal. Pathogens and indicator organisms, on the other hand, are
an historical concern, but removal by wetlands is often poor.

This paper starts with a review of hydraulics in surface flow constructed wetlands, given
their central role in treatment performance. Next, the reported removals of trace organic
contaminants and pathogens in wetlands is summarized, followed by a review of the main
removal mechanisms such as sorption and sedimentation, biotransformation and predation, and
photolysis and photoinactivation. Gaps in knowledge are identified for future research that can
lead to identifying the controlling factors so that effective unit process wetlands and treatment
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trains can be developed. The final section provides suggestions for how these treatment
mechanisms can be enhanced in commonly employed unit process wetland cells or how they
might be harnessed in novel unit process cells. It is hoped that the application of the unit process
concept to a wider range of contaminants will lead to more widespread application of wetland
treatment trains as components of urban water infrastructure in the United States and around the
globe.

2.2 Hydraulics of Surface Flow Wetlands

Inefficiencies in hydraulics are a major barrier to optimizing the removal of contaminants
in treatment wetlands, including trace organics and pathogens. Theoretically, the most effective
wetland design would employ plug flow conditions to ensure that all water receives an equal
amount of time for treatment. However in practice, plant growth rapidly results in conditions
that deviate from ideal. In particular, hydraulic short-circuiting can dramatically decrease the
overall performance of a wetland cell. Because this limitation to wetland treatment has been
recognized for decades, models have been developed to account for the effects of dispersion due
to vegetation, wind, and wetland boundaries (Kadlec, 1994). While these models are an
improvement over ideal reactor models and offer insight into flow patterns in wetlands, the
complex effects of heterogeneous and dynamic flow patterns are more difficult to model
accurately.

Short-circuiting is the result of preferential flow paths through a wetland, which are
caused primarily by uneven plant distribution and channelized flow (Kjellin et al., 2007;
Lightbody et al., 2008). Short-circuiting results in water having a range of residence times in a
wetland, reducing the wetland’s treatment efficiency (Keefe et al., 2004; Worman and Kronnas,
2005). This is especially detrimental for wetlands designed to remove waterborne pathogens,
which require reductions in concentration of several orders of magnitude to provide effective
treatment and thus are severely compromised by even a modest amount of short-circuiting. To
demonstrate this point, consider a wetland that is designed to provide 4-log removal (99.99%) of
a pathogen under ideal, plug flow conditions. If just 20% of the flow has one-eighth of the
nominal residence time, as observed by Lightbody et al. (2008) in a recently constructed
wetland, the actual removal will only be about 1-log (90%).

The degree of short-circuiting in full-scale wetlands is usually evaluated with tracer
studies (Martinez and Wise, 2003; Lin et al., 2003). While tracer studies provide an
understanding of how far the system deviates from ideal, more complicated models are necessary
to predict contaminant treatment efficiency, as water flowing via different paths may be
subjected to diverse biogeochemical conditions, resulting in variable treatment (Kadlec, 2000;
Harvey et al., 2005). For example, Keefe et al. (2004) modeled the reactive transport of
rhodamine WT in three wetlands using a solute transport model with transient storage. Results
showed that rhodamine WT loss rates via photolysis and sorption differed in storage and main
channel zones, with sorption mass transfer rates being a factor of two higher in storage zones
than in the main channel, and photolysis rates in the storage zones being almost an order of
magnitude lower than those occurring in the main channel. Thus, an understanding of both the
flow distributions and the removal processes at work in these different wetland zones was
necessary to accurately interpret tracer test results.
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Although short-circuiting cannot be eliminated, it can be reduced by proper wetland
design. Consideration of soil conditions prior to wetland construction, such as filling ditches that
would channelize flow (Martinez and Wise, 2003), can reduce short-circuiting. Baffles can also
be used to increase the wetland’s length-to-width ratio (aspect ratio), thereby reducing short-
circuiting and encouraging plug flow conditions at a lower cost than building long, narrow
wetlands (Reed et al., 1995; Persson, 2000; Shilton and Harrison, 2003). Knight (1987)
calculated that an aspect ratio of 2:1 would maximize wetland performance while minimizing
construction costs. However, other aspect ratios may be appropriate when there is a need to
significantly reduce contaminant concentrations (e.g., in the case of pathogens) and further
research is needed to determine the optimal aspect ratio in these cases. The use of a subsurface
berm or island placed in front of the wetland inlet also may reduce short-circuiting and improve
hydraulic performance (Persson, 2000).

Despite careful wetland design, flow irregularities will still develop over time as plants
grow. Flow irregularities may be minimized by using deep transverse mixing zones and other
structures to break wetlands into multiple smaller cells. These zones improve wetland
performance by mixing water that has traveled through different flow paths, as well as by
reducing the likelihood that fast flow paths will be aligned (Lightbody et al., 2007, 2009).
Breaking a wetland into multiple cells has a similar effect, disrupting high-speed flow paths and
ensuring that water is well mixed between cells (Kadlec, 2000; Horne and Fleming-Singer,
2005).

Periodic maintenance can also be used to control short-circuiting. For example, at the
Prado Treatment Wetlands in Southern California, emergent plants are removed during
maintenance activities (Scott Nygren, Orange County Water District, personal communication,
March 13, 2012). This process involves draining the cell, allowing it to dry for several weeks
and using a mower designed for brush removal to cut the plants near the ground surface. At the
Easterly Wetlands in Central Florida, wetland plants are occasionally burned to thin the density
of accumulated plants.

Incorporating multiple wetland cells is a fundamental component of the unit process
wetland design. By linking unit process wetland cells in series, designing cells to have deep
zones and baffles, considering the effects of inlet and outlet structures, and providing adequate
maintenance, inefficiencies introduced by hydraulic short-circuiting can be minimized. Further
research is needed to identify cost-effective maintenance practices that will minimize hydraulic
short-circuiting.

2.3 Contaminants of Concern
2.3.1 Trace Organic Contaminants

Municipal wastewater effluent typically contains relatively low levels of organic matter
(i.e., most wastewater treatment plants achieve BOD <10 mg L™1). In addition to the
biopolymers and residual organic waste that make up the bulk of the biodegradable organic
matter, wastewater effluent also contains an assortment of trace organic contaminants, such as
pharmaceuticals and personal care products (Kolpin et al., 2002; Ternes et al., 2004b). Trace
organic contaminants in wastewater effluent are an issue of concern due to their potential to
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cause adverse impacts to aquatic organisms at low concentrations (Daughton and Ternes, 1999;
Suarez et al., 2008) as well as their potential to contaminate downstream drinking water supplies
(Snyder et al., 2003).

The ability of constructed wetlands to remove trace organic contaminants from
wastewater effluent has received growing attention recently (Matamoros and Bayona, 2008).
Removal efficiencies for some pharmaceuticals and personal care products in treatment wetlands
(Figure 2.1) suggest that trace organic contaminants generally fall into to one of three groups of
removal efficiency. The first group of compounds is removed efficiently (i.e., > 60% removal)
regardless of wetland design and includes substances such as caffeine and naproxen. The second
group, which includes the majority of the compounds in Figure 2.1, exhibits partial removal with
varying efficiencies depending on wetland design and hydraulic residence times. The final group
of compounds, which includes carbamazepine and clofibric acid, are more recalcitrant and
exhibit limited removal (i.e., typically < 40% removal) irrespective of wetland design. Note that
some values were determined from studies in subsurface wetlands, but they are included here
because data from surface flow wetlands has not been reported. Optimization of treatment
wetlands has the highest potential for enhancing the removal of the compounds in the second

group.

2.3.2 Waterborne Pathogens

Wastewater effluent contains potentially infectious microorganisms, including viruses,
bacteria, protozoan (oo)cysts, and helminth eggs. Removal or inactivation of pathogens is
therefore necessary before treated effluent is discharged or reused. Treatment wetlands that
receive wastewater that has already been disinfected may provide additional treatment of
pathogens that are resistant to disinfection (e.g., Cryptosporidium oocysts for chlorine or
adenovirus for UV). In this case, a wetland may be used to reduce the chemical disinfection
requirements and provide an additional treatment barrier. Alternatively, treatment wetlands that
receive wastewater effluent that has not been disinfected can play a primary role in pathogen
attenuation. In this context, Gersberg et al. (1989) suggested that treatment wetlands with
hydraulic residence times of 3 to 6 days may be as effective as conventional water treatment
systems employing disinfection for the removal of pathogenic bacteria and viruses. Reliance on
polishing wetlands for disinfection has the advantage over chlorination of avoiding the
production of disinfection byproducts (Buth et al., 2009, 2010).

Most studies on the removal of pathogens in treatment wetlands have measured fecal
indicator bacteria rather than actual pathogens. The reported removal efficiency of fecal
coliforms by surface wetlands is around 1-log removal (Vymazal, 2005; Kadlec and Wallace,
2009). The few studies that have been conducted with actual pathogens (Figure 2.2) show
removal efficiencies up to 2-log, with average values around 1-log. The dominant removal
mechanisms vary dramatically among pathogen groups. A better understanding of pathogen
removal mechanisms, including attachment and sedimentation, predation, and photoinactivation,
and their effectiveness for different pathogen groups is needed to improve the ability to design
unit process wetlands for disinfection.
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Figure 2.1: Averages pharmaceutical and personal care product removal efficiencies in
treatment wetlands. Error bars represent + one standard deviation. n=3-16. References: a (Gray
and Sedlak, 2005); b (Song et al., 2011); ¢ (Breitholtz et al., 2012); d (Park et al., 2009); e
(Camacho-Muiioz et al., 2012); f (Hijosa-Valsero et al., 2011); g (Matamoros and Bayona,
2006); h (Matamoros et al., 2007); i (Matamoros et al., 2009); j (Llorens et al., 2009); k
(Matamoros et al., 2005); | (Matamoros et al., 2008b); m (Waltman et al., 2006).
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Log Removal

Figure 2.2: Averages with standard deviations of pathogen removal efficiencies in surface flow
wetlands receiving non-disinfected influent. References: a (Mandi et al., 1996); b (Mandi et al.,
1998); ¢ (Reinoso et al., 2008); d (Falabi et al., 2002); e (Gerba et al., 1999); f (Quifionez-Diaz
et al., 2001); g (Herskowitz, 1986); h (Hill and Sobsey, 2001); i (Song et al., 2010); j (Karpiscak
et al., 2001); k (Kadlec and Wallace, 2009).
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2.4 Removal Mechanisms of Trace Organic Contaminants
2.4.1 Sorption

Sorption of trace organic contaminants encompasses two distinct processes. Adsorption
involves the interaction of a compound with a surface, typically via ion exchange or surface
complexation, while absorption entails partitioning into a particle-associated organic phase.
Sediments and biofilms in treatment wetlands provide numerous surfaces that may be capable of
sorbing trace organic contaminants. If the contaminants exhibit a high affinity for a surface, they
will eventually be buried as decaying plant litter accumulates in the wetland. If the sorbent does
not degrade, the contaminants will remain in the litter layer until it is removed as part of wetland
maintenance activities. If the contaminants are weakly associated with the sorbent, or if the
sorbent (e.g., plant litter) degrades, the process may simply slow the movement of contaminants
through a wetland, providing more time for other transformation processes to occur.

Although sorption is assumed to be important to trace organic contaminant fate in
treatment wetlands (Imfeld et al., 2009), few studies have investigated it specifically. In these
studies log Kow, a measure of a contaminant’s hydrophobicity, generally predicts which
contaminants are most susceptible to absorption. For example, in a bulrush-dominated surface
flow wetland with a 30 cm deep gravel bed, the hydrophobic phthalate esters and fragrance
molecules (log Kow>4) were absorbed to organic matter in the gravel bed as well as suspended
particles (Reyes-Contreras et al., 2011). Absorption was also found to slow the movement of
two steroid hormones (log Kow= 4) relative to a conservative tracer in a densely vegetated surface
flow wetland (Gray and Sedlak, 2005).

Removal of chemical contaminants by absorption may be more important in subsurface
flow wetlands, where flowing water encounters higher densities of particulate organic matter.
For example, partial removal of the recalcitrant contaminant carbamazepine (log Kow=2.5) by
absorption and negligible sorptive removal of less hydrophobic contaminants was observed in a
study of a subsurface flow treatment wetland (Matamoros et al., 2005).

Studies of pesticide sorption in agricultural wetlands show a similar dependence on
contaminant hydrophobicity (Kruger et al., 1996; Moore et al., 2002; Reichenberger et al.,
2007). For example, sorption of the herbicide atrazine (log Kow=2.75) to soil, litter, peat, and
sediments from three Midwest wetlands was well described for all sorbents by an organic
carbon-normalized distribution coefficient (Koc=760 L kg* OC) (Alvord and Kadlec, 1995).
Given this distribution coefficient, a wetland with about 2 kg m? litter, containing about 40%
organic carbon (Alvord and Kadlec, 1995), and a depth of 40 cm, would be capable of absorbing
more than 60% of atrazine from the aqueous phase. This suggests that absorption in wetlands
could be significant for compounds with a log Kow greater than about 2.5, provided that the
system is designed properly. For comparison, absorption of trace organic contaminants in
activated sludge treatment plants is usually unimportant for compounds with log Kow values less
than about 4 (Ternes et al., 2004a; Wick et al., 2009).

Less hydrophobic compounds have been found to adsorb via specific ionic interactions
with activated sludge in treatment plants (Stuer-Lauridsen et al., 2000; Golet et al., 2003) and
soils (Tolls, 2001). In wetlands, the relatively hydrophilic fluorescent dye, rhodamine WT, sorbs
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significantly to plants and sediments (Lin et al., 2003; Keefe et al., 2004). At neutral pH values,
rhodamine WT contains both positively and negatively charged functional groups and is thus
likely to be adsorbed via specific interactions with charged functional groups on the sorbents
(Kasanavia et al., 1999). Therefore, adsorption of ionic trace organic contaminants in treatment
wetlands may be an important loss mechanism for certain compounds. However, additional
research is needed to assess the overall importance of this phenomenon and ways in which it
could be enhanced through wetland design.

Certain types of wetland vegetation may increase the removal of trace organic
contaminants by sorption. For example, it has been suggested that wetlands dominated by
bulrush (e.g., Scripus spp.) are conducive to sorption of trace organic contaminants due to the
large amounts of spongy peat formed by decomposing plants (Horne and Fleming-Singer, 2005).
Duckweed (Lemna spp.), a floating macrophyte often present in open waters in treatment
wetlands, sorbs trace organic contaminants such as halogenated phenols (Tront et al., 2007) and
pharmaceuticals and personal care products, including fluoxetine, ibuprofen, and triclosan
(Reinhold et al., 2010). However, duckweed grows in a thin layer near the water surface and the
relatively small mass of the plant in wetlands likely precludes it from removing a significant
fraction of the trace organic contaminants as water passes through a wetland.

Water chemistry also affects sorption of chemical contaminants in constructed wetlands
(Hussain and Prasher, 2011). In particular, the pH of wetland water will affect the sorption of
contaminants by changing their speciation. This phenomenon has been observed in wastewater
treatment plant sludge for the acidic pharmaceuticals diclofenac (pKa=4.6) and ibuprofen
(pKa=3.5), which absorbed to primary sludge to a greater extent than to secondary sludge,
because a greater fraction of the pharmaceuticals were in their uncharged form at the lower pH
value (pH=6.6 in primary versus pH=7.5 in secondary) (Ternes et al., 2004a). Basic
contaminants, such as those containing amine functional groups (e.g., the B-blockers), have pKa
values near 9 and are positively charged at neutral pH values. Consequently, their sorption is
likely controlled by specific interactions, as was observed in a study by Yamamoto et al. (2009).
Increasing the pH of wetland water could increase the fraction of the uncharged forms of the
compounds, resulting in enhanced sorption by hydrophobic interactions. Further research is
needed to determine the potential for enhancing sorption in treatment wetlands through the use of
natural processes to alter pH values (i.e., photosynthesis and microbial respiration).

2.4.2 Biotransformation

Microorganisms play a prominent role in the attenuation of trace organic contaminants in
constructed wetlands (Matamoros et al., 2008b; Hijosa-Valsero et al., 2010b) due to the diversity
of microorganisms and enzymatic activities present (D’ Angelo, 2003). In surface flow wetlands,
biofilms found on roots, stalks, and detritus are more important to biotransformation than
planktonic microorganisms (Gagnon et al., 2007; Truu et al., 2009). Thus it is not surprising that
properties affecting biofilm growth, such as the attachment matrix, hydraulic conditions, and
composition of the wastewater effluent, can strongly influence microbial ecology and
contaminant transformation rates in these systems (Truu et al., 2009).

In vegetated treatment wetlands, the density and type of plants affect microbial
community dynamics (Ibekwe et al., 2006; Calheiros et al., 2009) by providing labile forms of

18



organic carbon, surfaces for biofilm growth, and oxygen gradients (Reddy and D’ Angelo, 1997).
The ability of decaying plants to create anoxic zones in surface and subsurface flow constructed
wetlands is important to the transformation of trace organic contaminants because some
compounds are more readily transformed under aerobic conditions (e.g., ibuprofen) while others
(e.g., tonalide and galaxolide) are more readily transformed under anaerobic conditions (Hijosa-
Valsero et al., 2010b). Further, anoxic, nitrogen-reducing surface flow wetlands have been
shown to be capable of transforming certain trace organic contaminates, including atenolol,
naproxen, and triclosan, possibly through amide hydrolysis and reductive dehalogenation (Park
et al., 2009).

Plant biomass and DOC from plant litter, and to a lesser degree, residual organic carbon
from wastewater effluent, provide an important energy source and create selective pressure for
microbial community structure and function in wetland systems (Shackle et al., 2000; Gutknecht
et al., 2006). Biotransformation of pharmaceuticals in wastewater effluent can be affected by
both the abundance and source of organic carbon derived from decaying aquatic plants. For
example, gemfibrozil and sulfamethoxazole, two compounds that are poorly removed in
wastewater treatment plants, showed better removal in the presence of labile organic carbon
derived from wetland plants than in the presence of the labile dissolved organic carbon in
wastewater effluent (Lim et al., 2008). Other macrophyte characteristics, such as surface area
and litter properties, can also affect microbial density (Bastviken et al., 2005), which may
correlate with trace organic contaminant removal rates.

The rhizosphere associated with wetland plants hosts a unique community of
microorganisms within aerobic microzones, due to the release of oxygen and nutrient-rich
exudates (Brix, 1997; Kyambadde et al., 2004; Minch et al., 2007; Gagnon et al., 2007).
Microbially-mediated iron and manganese oxides formed in this region also have the potential
for indirect oxidation or enhanced sorption of trace organic contaminants (Mendelssohn et al.,
1995; Emerson et al., 1999). Rhizosphere-associated transformation appears to be an important
process for trace organic contaminants in subsurface flow wetlands (Zhang et al., 2012).
However, the rhizosphere may be less important in surface flow wetlands due to limited contact
between the rhizosphere and flowing waters.

Bacteria and fungi transform macromolecules, such as cellulose and lignin, into lower
molecular weight compounds through the excretion of extracellular enzymes. Enzyme
expression studies in constructed wetlands have provided insight into the importance of
extracellular enzyme activity to the processing of these recalcitrant forms of organic carbon
(Shackle et al., 2000; Wright and Reddy, 2001; Hill et al., 2006; Francoeur et al., 2006; Rier et
al., 2007). Many of the extracellular enzymes used to transform cellulose and lignin (e.g.,
laccases, phenol oxidases, and peroxidases) also can transform recalcitrant trace organic
contaminants (Gianfreda and Rao, 2004; Lu et al., 2009). By modifying the quantity and type of
carbon sources in constructed wetlands, it may be possible to increase the activity of
extracellular enzymes. Because most extracellular enzymes utilize oxygen or hydrogen peroxide
as terminal electron acceptors, their activity is expected to be higher in aerobic environments
(Sinsabaugh, 2010; Porter, 2011).
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2.4.3 Photolysis

In natural waters, photolysis of trace organic contaminants can occur via direct and
indirect mechanisms (Schwarzenbach et al., 2003). Direct photolysis occurs when a contaminant
absorbs sunlight and undergoes a transformation reaction. Indirect photolysis involves other
chemicals, most often NOs™ and colored dissolved organic matter (CDOM), which absorb light
and produce reactive intermediates that subsequently react with contaminants. With respect to
the transformation of organic contaminants, important reactive intermediates include hydroxyl
radical (*OH) (Zepp et al., 1987; Brezonik and Fulkerson-Brekken, 1998), singlet oxygen (*O2)
(Zepp et al., 1977), excited triplet state DOM (3DOM®) (Canonica et al., 1995; Boreen et al.,
2004), organoperoxy radicals, and carbonate radical (*«CO3z’) (Lam et al., 2003; Canonica et al.,
2005).

Treatment wetlands may be conducive to indirect photolysis due to the presence of NO3
in nitrified wastewater effluent, which produces *OH via the reaction:

NOs + Hy0 + hv>NO, + *OH + OH- (2.1)

CDOM derived from wastewater effluent and decaying plants may also promote indirect
photolysis through a variety of mechanisms. For example, CDOM was significant to the
removal of the pesticides alachlor and carbaryl in wetland waters via indirect photolysis (Miller
and Chin, 2002, 2005). For those reactions where CDOM served as a source of *OH, rates of
photolysis were not strongly affected by DOM concentrations because it acted as both a source
of CDOM and a *OH scavenger. In addition to generating *OH, CDOM can also serve as a
source of the selective oxidants 'O, and 3DOM”, which have been found to be important to the
indirect photolysis of certain trace organic chemicals in the environment (Gerecke et al., 2001,
Latch et al., 2003b).

Most constructed wetlands are not designed to include shallow open water zones. As a
result, few investigators have studied the role of photolysis in trace organic contaminant removal
in treatment wetlands. Matamoros et al. (2008b) attributed the nearly complete removal of
ketoprofen in an engineered treatment wetland with deep (1.5 m) open water zones and a long
hydraulic residence time (30 days) to photolysis. While this study demonstrated that photolysis
in deep, open ponds can significantly attenuate organic compounds that are particularly
susceptible to direct photolysis (ketoprofen has a half-life of 2.5 minutes under near-surface
summer-noon conditions (Lin and Reinhard, 2005)), removal efficiencies would be significantly
lower for compounds with longer direct photolysis half-lives. For example, consider
sulfamethoxazole, a compound that is relatively susceptible to direct photolysis (half-life of
about 2 hours under near-surface summer-noon conditions (Lam and Mabury, 2005)), ina 1 m
deep wetland with the EPA (2000a) recommended hydraulic residence time of 3 days for open
water zones. Given a typical beam attenuation coefficient (o)) of 6 m™ at 330 nm, and ideal plug
flow conditions, sulfamethoxazole would exhibit a decrease in concentration of only about 10%
due to direct photolysis under daily-averaged mid-summer conditions at 40° latitude
(Schwarzenbach et al., 2003).
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2.5 Removal of Waterborne Pathogens
2.5.1 Attachment and Sedimentation

Some pathogens, like helminth eggs, have settling velocities high enough to be removed
by sedimentation in treatment wetlands (e.g., about 0.1 mm s%; Sengupta et al., 2011). The
presence of rhizomes and macrophyte stalks can further enhance sedimentation (Mandi et al.,
1996). However, protozoan (oo)cysts and bacteria have much lower settling velocities (e.g., less
than 0.001 mm s for Giardia cysts (Dai and Boll, 2006)), and viruses are stable in suspension.
These organisms will only be removed by sedimentation if they are attached to larger particles.
As a result, the removal of cysts such as Giardia in some cases has been correlated with particle
removal (Quifiénez-Diaz et al., 2001). However, particle association is not always conducive to
pathogen removal. For example, in a study conducted by Boutilier et al. (2009), the association
of E. coli with particles appeared to decrease their removal compared to free-floating bacteria.
This was because particles with diameters less than 80 pm had settling velocities too low to be
removed by sedimentation.

In addition to attaching to settling particles, pathogens can be removed by attachment to
other surfaces in treatment wetlands. However, the contribution of this mechanism to overall
removal is not known. For example, in vegetated surface flow wetlands, viruses were removed
by attachment to the biofilm layer of rhizomes and submerged stalks of emergent plants
(Gersberg et al., 1987). Biofilms have also been shown to increase the removal of pathogen
surrogates (0.1-, 1.0-, and 4.5-um latex microspheres) in microcosm experiments using surface
flow wetland water (Stott and Tanner, 2005). A better understanding of the processes that affect
the association of pathogens with particles and surfaces, as well as the size distribution of
particles in treatment wetlands, may provide insight into means for enhancing pathogen removal
via sedimentation and attachment.

Pathogenic helminth eggs, protozoan (oo)cysts, and viruses that accumulate on wetland
surfaces and in sediments will become inactivated over time. In contrast, indicator and
pathogenic bacteria have the potential to grow under certain environmental conditions (Ksoll et
al., 2007; Ishii et al., 2010), although there is no evidence of growth occurring in treatment
wetlands. It should be noted that sloughing or resuspension of sediments has the potential to
remobilize viable organisms. In addition, wetland vegetation or sediments that are removed
during maintenance activities may contain viable pathogens, which could complicate efforts to
reuse the material (e.g., as a soil amendment).

2.5.2 Predation

Predation has the potential to be an important removal mechanism for bacteria and
protozoan (oo)cysts in treatment wetlands (Stott et al., 2001; Song et al., 2008), but much less is
known about viruses. Grazing of particles in the size range of individual viruses is typically
inefficient (Hahn and Hofle, 2001), although viruses attached to larger particles have the
potential to be removed by predation. Potential predators of pathogens in treatment wetlands
include nematodes, copepods, rotifers, and protozoa (Decamp and Warren, 1998). For example,
grazing rates for the ciliated protozoa Paramecium were measured to be
111 E. coli (ciliate-hour)-1 and 170 Cryptosporidium parvum oocysts (ciliate-hour)™ in lab
experiments (Decamp and Warren, 1998; Stott et al., 2001)). Hence a population of
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2x104 Paramecium per liter (Decamp and Warren, 1998) would have the potential to achieve
greater than 6-log removal of E. coli or oocysts in one hour, if these were the only particles in the
water. Grazing rates in an actual wetland are expected to be significantly lower because
pathogens would represent a small fraction of the total particles.

In addition to ciliated protozoa, rotifers may play an important role in the removal of
pathogens via grazing due to their dominance in the total zooplankton population in shallow
wetlands (Beaver et al., 1998; Fayer et al., 2000; Trout et al., 2002; Proakis, 2003). For example,
the rotifer Brachionus plicatilist rapidly removed E. coli from water under laboratory conditions,
with an average feeding rate of almost 700 E. coli (rotifer-hr)-1 (Proakis, 2003). Rotifers from
six different genera were also found to ingest Giardia cysts and Cryptosporidium oocysts in
simple laboratory experiments (Fayer et al., 2000; Trout et al., 2002). However, ingestion rates
in actual wetlands have not been measured, and conditions that promote predation in treatment
wetlands are not sufficiently understood.

While predation may provide an effective means for removing indicator organisms and
pathogens from water, the viability of the organisms following ingestion is uncertain. In
general, protozoan grazing is a major mechanism of bacterial population control (Hahn and
Hofle, 2001). However, there is evidence that some pathogenic bacteria are not inactivated as a
result of ingestion by protozoan grazers, such as ciliates and amoebas (Barker and Brown, 1994;
Meltz Steinberg and Levin, 2007). Indeed, pathogenic bacteria like Legionella actually colonize
free-living amoeba to protect themselves from unfavorable environmental conditions (Thomas et
al., 2010). More research is needed on inactivation of the wide range of pathogens of concern in
wastewater by the different types of grazers in treatment wetlands.

2.5.3 Photoinactivation

Sunlight-mediated inactivation is one of the most important disinfection mechanisms in
waste stabilization ponds (Davies-Colley et al., 2000; Davies-Colley, 2005), suggesting that
open water zones are promising for the removal of pathogens in treatment wetlands. There are
three main mechanisms of sunlight-mediated inactivation of microorganisms (Davies-Colley et
al., 1999). Analogous to direct photolysis of chemical contaminants, the absorption of UVB
radiation (280-320 nm) by DNA causes direct damage to cellular DNA, primarily by pyrimidine
dimer formation (Jagger, 1985). Similar to indirect photolysis of chemical contaminants, there
are also indirect disinfection mechanisms, in which sensitizers absorb light and produce reactive
species that damage organisms. Indirect damage may occur due to absorption of sunlight by cell
constituents (endogenous sensitizers) (Davies-Colley et al., 1999; Bosshard et al., 2010) or by
sensitizers in water (exogenous sensitizers), such as CDOM. 'O has been shown to be the most
important reactive species produced by exogenous sensitizers during the sunlight-mediated
inactivation of MS2 coliphage, which is a model for human enteric viruses (Kohn and Nelson,
2007).

Exogenous inactivation initiated by sensitizers that absorb longer wavelengths, such as
CDOM, may be more important than endogenous mechanisms because the UV wavelengths that
contribute to endogenous inactivation (direct and indirect) are readily absorbed in wetland water
(i.e., =280 to 400 nm). However, not all organisms appear to be susceptible to this mechanism
(Davies-Colley et al., 1999). Photoinactivation can also be enhanced by high dissolved oxygen
and elevated pH (e.g., greater than pH 9) that result from algal photosynthesis (Curtis et al.,
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1992; Davies-Colley et al., 1999; Ansa et al., 2011).

The importance of sunlight-mediated disinfection in surface flow treatment wetlands was
illustrated when E. coli concentrations declined significantly after a thick bed of floating
duckweed (Lemna spp.) was removed from a newly constructed surface flow wetland (Macintyre
et al., 2006). A better understanding of the sunlight-mediated inactivation mechanisms and their
roles in pathogen removal is needed to optimize the design and enable prediction of the fate of
pathogens in surface flow treatment wetlands.

2.6 Novel unit process wetlands for removal of trace organic contaminants and pathogens

A growing understanding of wetland hydraulics and contaminant attenuation mechanisms
in treatment wetlands provides an opportunity to optimize the design and operation of wetlands
to remove trace organic contaminants and pathogens in a sequence of unit process cells. The
individual unit processes incorporated into a wetland treatment train will depend on a variety of
considerations, including influent water quality, contaminants of concern, point of discharge,
regulations on effluent water quality, and space constraints. Different unit processes will be
needed to address the wide range of trace organic contaminants and pathogens, which are
removed by different removal mechanisms. Based on the review of removal mechanisms in
Sections 2.4 and 2.5, in this section we further explore several novel designs for unit process
cells that target removal of trace organics and wetlands: a shallow, open-water cell, vegetated
wetlands that optimize specific enzymes and biodegradation pathways, and a cell incorporating
filter-feeding bivalves.

An example of how unit processes could be combined in a treatment train for nitrified
wastewater effluent is provided in Figure 2.3. In this example, the first cell provides treatment of
trace organics through direct photolysis, indirect photolysis (including *OH produced from
NOz3"), and sorption and biotransformation in the thick biofilm layer that forms on the cell’s
bottom. Inactivation of pathogens also occurs through direct and indirect photoinactivation.
Next, in the cattail cell, labile organic matter produced by cattails fuels denitrification as well as
biodegradation of trace organics, the anaerobic conditions promote precipitation of metal
sulfides, and quiescent conditions promote further settling of particle-associated pathogens.
Next, in the bulrush cell, non-labile organic carbon accumulates and serves as a sorbent for trace
organic contaminants. Finally, in the bivalve cell, particle-associated trace organic contaminants
and pathogens are ingested, and transformed or inactivated.

A deeper understanding of the specific mechanisms at play will allow the individual cells
to be optimized, as well as their sequential order. For example, if DOM produced by vegetated
cells is found to be effective at sensitizing the degradation of specific chemicals or pathogens,
then the photolysis cell could be placed after the vegetated cell. The potential for each of these
unit processes is explored in greater detail in subsequent sections.
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Figure 2.3: Example of unit process wetland treatment train, along with key processes occurring
in each unit process cell.

2.6.1 Shallow, Open-Water Cells

Shallow, open-water wetland cells (Figure 2.4) represent a new approach for integrating
photochemical processes and aerobic microbes into a unit process wetland. While photolysis can
provide a means of removing contaminants, it is difficult to design treatment wetlands for
photolysis because emergent macrophytes and floating plants (e.g., duckweed) shade the water.
Furthermore, chromophores in wastewater effluent and wetland water strongly absorb sunlight,
especially in the important UV region of the solar spectrum, greatly slowing photochemical
reactions at depths of more than about 0.5 meters. To circumvent these problems, a shallow,
open-water wetland cell can be used. In these cells, concrete or geotextile liners are used on the
bottom of the cell to prevent emergent macrophyte growth. Under these conditions, the bottom
of the basin is rapidly colonized by a biomat, which is composed of a consortium of organisms
dominated by algae, aerobic bacteria, and other eukaryotes (Wetzel, 1983).

A pilot-scale wetland of this design (Figure 2.4) allows sunlight to penetrate throughout
the water column, which is typically around 20 cm. The growth of periphyton on the bottom of
the cell, rather than suspended in the water column as is the case with high rate algal ponds,
prevents shading of the water by algae and the use of relatively high water velocities prevents the
accumulation of duckweed on the surface. Inexpensive materials (i.e., wooden boards) are used
as baffles to minimize hydraulic short-circuiting.

Photolysis in a shallow, open-water cell with a hydraulic residence time of at least
24 hours would likely result in removal of chemical contaminants that are susceptible to direct
photolysis, such as NDMA, ketoprofen, and diclofenac. The shallow cell might also be
conducive to removal of certain chemical contaminants by indirect photolysis. Given NOz
concentrations of 20 mg N L™* and DOC concentrations of 10 mg L%, which are typical of
secondary wastewater effluent, a daily-averaged *OH steady-state concentration of about 4x10°
16 M would be expected in 20 cm of water during mid-summer at 40° latitude (Zepp et al., 1987;
Schwarzenbach et al., 2003). For a typical organic contaminant, which reacts with *OH at near
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diffusion-controlled rates (i.e., about 7x10° M1s™%), approximately 50% removal would be
expected after 3 days in the wetland.

The water in periphyton-containing wetland cells exhibits diurnal cycles in which
dissolved oxygen concentrations and pH values increase during the day due to photosynthesis
(Fletcher and Marshall, 1982; Pollard, 2010). In the pilot-scale wetland shown in Figure 1.4, the
pH typically increases to values of between 9 and 10 within 50 meters of the inlet. The alkaline
pH conditions in the shallow, open-water cell may affect the rate of direct photolysis of chemical
contaminants by changing contaminant speciation (Boreen et al., 2004). Indirect photolysis rates
will also be affected by changes in water pH because *OH is scavenged by inorganic carbon
under alkaline conditions forming *COgz", which may then react with contaminants (Lam et al.,
2003). This shift in radical formation could lead to selective oxidation of sulfur-containing
compounds, which often exhibit elevated reaction rates with «CO3™ (Huang and Mabury, 2000c).
High concentrations of dissolved oxygen could alter other indirect photolysis pathways, either by
quenching intermediate triplet states (Ryan et al., 2011) or by enhancing production of O
(Latch et al., 2003b).

20 cm ep,

Figure 2.4: Discovery Bay pilot-scale open-water wetland cell. cell is
400 m?, and has a hydraulic residence time of about 1-3 days.

Pathogens would also be inactivated in a shallow wetland cell, both by direct and indirect
mechanisms. Indirect mechanisms would be especially important due to the high *O2
concentrations produced by DOM present in wastewater. For example, a daily-averaged steady-
state 1O, concentration of about 2x107** M would be expected during mid-summer at 40° latitude
in 20 cm of water (Haag and Hoigné, 1986; Schwarzenbach et al., 2003). Over a 3 day residence
time this would result in almost 3-log inactivation of MS2 coliphage, which was reported to be
inactivated by O, with a second-order rate of 1.3x10° M%s (Kohn and Nelson, 2007).
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In addition to modifying overlying water chemistry, a biomat could remove chemical
contaminants and pathogens through sorption, biotransformation, and predation. For example,
researchers have found that biomats present in streams are capable of sorbing, and in some cases
transforming, trace organic contaminants such as steroid hormones, alkylphenols, non-steroidal
anti-inflammatory drugs, and the cyanotoxin microcystin-RR (Wu et al., 2010; Writer et al.,
2011b; Dobor et al., 2012). Biotransformation of chemicals may be encouraged by the aerobic
conditions encountered at the top of the biomat. In addition, the labile carbon provided by
periphyton, which has been shown to enhance denitrification rates in anoxic wetlands (Sirivedhin
and Gray, 2006), and the increased activity of extracellular enzymes, such as the phenol oxidases
which are associated with photosynthesis (Romani et al., 2004; Francoeur et al., 2006; Rier et
al., 2007), might also be important. Pathogens have been found to attach to periphyton as well,
although detachment at a later time is possible (Ksoll et al., 2007).

Maintenance activities in a shallow, open-water wetland cell may include removing
floating vegetation as well as detritus which accumulates in the periphyton mat. Floating
vegetation, such as duckweed, is capable of quickly covering a wetland, limiting the
effectiveness of photolysis and potentially altering the microbial community in the periphyton
mat. The growth of floating vegetation can be limited by ensuring that hydraulic residence times
are less than about three days (EPA 2000a) and that the outlet structure allows floating
vegetation to leave with the outflow. If floating vegetation does grow, the wetland can be
periodically flushed by increasing the flow rate into the wetland to wash the floating vegetation
out. The slow buildup of particulate matter and detritus from decomposing biomat will also need
to be removed regularly, as over a few years it may slowly fill in the wetland. This can be
accomplished by draining the wetland and removing the dried periphyton mat with a bulldozer.
After the old mat is removed, a new biomat will re-grow within weeks on the wetland bottom.

2.6.2 Macrophyte-Dominated Wetland Cells

To enhance contaminant attenuation, vegetated wetland zones can be designed and
managed to select for microorganism communities with specific and complimentary composition
and functionality. Enhanced attenuation can be achieved through a unit process approach in
which different cells are optimized for specific purposes. For example, cells containing cattails
provide biomass that is more readily decomposed while bulrush cells would be expected to
exhibit higher activities of extracellular enzymes needed to break down the lignin-rich plants
(Horne and Fleming-Singer, 2005).

The linking of microbial community dynamics with factors such as plant substrates,
temperature, nutrient loading, and dissolved oxygen will allow for wetlands to be actively
managed based on environmental indicators. Nutrient availability can also affect microbial
community structure and enzyme expression. For example, an abundance of phosphorus can
reduce microbial diversity (Ahn et al., 2007) and potentially metabolic diversity. To increase
microbial activity or select for reducing conditions, plant biomass harvested during routine
maintenance activities can be added back to specific wetland cells. Vegetated wetlands can also
be designed to include deep zones to limit plant growth. Other strategies have been suggested,
such as raising the water level after plants have senesced to provide additional carbon from the
previously un-submerged plant detritus in the winter (Thullen et al., 2005).
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Through an increased understanding of wetland microbial communities and the ability to
monitor their composition and activity, it may be possible to optimize the performance of unit
process cells. Past studies have relied on culture-dependent methods to discern metabolic
potential with inherent and often artificial selective pressures (Fortin et al., 2000; Truu et al.,
2009) as well as fingerprinting techniques to track spatial and temporal variations in dominant
microbes in these systems (Boon et al., 1996; Faulwetter et al., 2009). However, little has been
done to thoroughly understand microbial ecology and enzymatic regulation in engineered
wetlands. This understanding is necessary to more effectively manage microbial transformation
of contaminants and develop enhanced design and monitoring tools for future engineered
wetlands. A suite of culture-independent molecular-based methods such as fluorescent in situ
hybridization , quantitative PCR (DeJournett et al., 2007; Bacchetti De Gregoris et al., 2011) and
high throughput pyrosequencing for phylogenetic analysis and the generation of metagenomes
(Jiang et al., 2011), hold immense promise for future studies. Collectively, these molecular tools
can further elucidate the microbial structure and function in constructed wetland systems.
Studies that characterize enzyme expression in concert with phylogenetic characterization are
important to more effectively track these complimentary but not always synonymous variables
(Vilchez-Vargas et al., 2010).

2.6.3 Bivalve Filtration Wetland Cells

As a compliment to contaminant attenuation in shallow, open-water wetlands and
macrophyte-dominated wetlands, wetland cells can be built to provide a habitat for organisms
that remove contaminants through filter feeding, as shown in Figure 2.5. Studies have shown
that bivalves such as mussels and clams filter large volumes of water and remove organic
particulate matter from the water column (Winter, 1978; Mghlenberg and Riisgard, 1979; Kryger
and Riisgard, 1988; Riisgard, 2001). While bivalves occur at low densities in habitats such as
coastal estuaries, rivers, and littoral zones of lakes, large populations may be supported in
systems with short hydraulic residence times and high primary productivity. Thus, it may be
possible to support high densities of filter feeding organisms in a constructed wetland cell where
significant concentrations of wastewater- or macrophyte-derived organic matter are available.

While bivalves have not yet been applied for water quality improvement in unit process
wetlands, they have been considered for a variety of applications including drinking water
treatment (Mclvor, 2004), algae and suspended particulate matter removal from river water (Li et
al., 2010), and clarification of secondary municipal wastewater effluent (Haines, 1979).

Bivalves have also been considered as a means of removing nutrients from aquaculture
wastewater (Buttner, 1986; Shpigel et al., 1997) and more recently to remediate surface waters
polluted by excessive nutrients in New York City (Cotroneo et al., 2011; NOAA, 2011).
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Figure 2.5: Schematic of bivalve uptake and removal mechanisms of organic contaminants and
pathogens.

In the process of removing particulate matter, bivalves can also accumulate and in some
cases transform particle-associated trace organic contaminants. For example, biotransformation
of polybrominated diphenyl ethers (PBDEs) and polycyclic aromatic hydrocarbons (PAHS) by a
freshwater mussel (Elliptio complanata) was observed following exposure through contaminated
algae (O’Rourke et al., 2004; Drouillard et al., 2007). In addition, the transformation of crude
oil was accelerated more than ten times in the presence of the mussel Mytilus edilus (Gudimov,
2002). However, recalcitrant contaminants may not be transformed after ingestion and may
instead accumulate in the bivalve tissue (Verrengia Guerrero et al., 2002; Drouillard et al.,
2007). These contaminants may then be released through the excretion of pseudofeces and feces
(Haven and Morales-Alamo, 1966; Hull et al., 2011). Depending on the affinity of the
compound for the (pseudo)feces, the contaminants may then desorb and reenter the water
column, be consumed by benthic organisms, or be transformed by microbes. Further research is
needed to determine whether particle-associated trace organic contaminants commonly present in
wastewater effluent, such as the musk fragrances, are effectively removed and transformed by
bivalves in a wetland cell.

Bivalves are also capable of ingesting a wide variety of pathogens (Silverman et al.,
1995; Graczyk et al., 2003, 2006; Proakis, 2003; Nappier et al., 2008). Given their ability to
efficiently remove particles greater than 0.4 um in diameter from water, bivalves may filter
individual bacteria (0.5-2 um) and protozoan (oo)cysts (2-15 um), although not individual
viruses (20-100 nm). For example, the zebra mussel (Dreissena polymorpha) was found to
remove E. coli and other bacteria from pond water at a clearance rate of about
6 L (g dry tissue)™ hr! (Silverman et al., 1995). Given this rate, a density of 130 mussels L™
(approximately 16 mg dry weight (mussel)™) would result in 90% clearance of bacteria (1-log
removal) over a 3 day residence time. Further research is needed, however, to determine
whether bivalve grazing results in pathogen inactivation or just accumulation. Limited studies
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have shown recovery of viable Giardia spp. and infectious C. parvum oocysts in Macoma spp.
and oysters, respectively (Fayer et al., 1998; Graczyk et al., 1999).

Within a unit process wetland, bivalves could be implemented in shallow, open-water
cells. Periphyton-derived organic matter or organic matter from wastewater or previous wetland
cells would provide sufficient particulate matter for ingestion, and bivalves would enhance
contaminant and pathogen removal within the cell. Bivalves could be kept in cages to protect
them from predators. Cages would also allow bivalves saturated with recalcitrant contaminants
to be easily removed and depurated by exposure to clean water at regular intervals if necessary
(Burns and Smith, 1981; Pruell et al., 1986; Peven et al., 1996). Native species should be
employed in these wetland cells to avoid invasive species entering receiving surface waters.
While further research is necessary to determine appropriate bivalve species, densities, and
configurations to maximize treatment efficiency in a unit process wetland, implementation of
such a wetland cell could significantly increase attenuation of certain trace organic contaminants
and pathogens not effectively removed in other wetland cells, such as particle-associated trace
organic contaminants and pathogens that are too small to be removed by sedimentation and that
are not susceptible to photoinactivation.

2.7 Conclusions

There is growing interest in integrating large-scale treatment wetlands into urban water
infrastructure to improve water quality. Treatment wetlands for polishing effluents may offer
advantages over mechanical treatment systems due to their low operating cost and potential to
remove a variety of difficult-to-treat contaminants. In addition, treatment wetlands offer
aesthetic and habitat benefits in urban spaces. However, a better understanding of how to design
these natural barriers to provide predictable treatment of target contaminants is needed.

Applying the unit process approach to wetland design has the potential to contribute to
more flexible and predictable treatment. It also provides a framework for applying a mechanistic
understanding to system optimization. Nonetheless, there are major challenges associated with
harmonizing regulations and avoiding unintended consequences associated with large wetland
systems. Active management of treatment wetlands and a better understanding of attenuation
processes will be required. After we understand what this encompasses, we will have a better
idea of how the technology compares with other options.
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CHAPTER 3. Phototransformation of wastewater-derived trace
organic contaminants in open-water unit process treatment
wetlands

Reproduced with permission from Jasper, J.T.; Sedlak, D.L. Phototransformation of wastewater-
derived trace organic contaminants in open-water unit process treatment wetlands. Environ. Sci.
Technol. 2013, 47, 10781-10790.

© 2013 American Chemical Society.
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3.1 Introduction

Due to their incomplete removal during biological wastewater treatment, a variety of
trace organic contaminants are frequently detected in municipal wastewater effluent (Heberer,
2002; Ternes et al., 2004b). In the absence of significant dilution, some of these contaminants
pose risks to aquatic biota (Purdom et al., 1994; Triebskorn et al., 2007) and are an issue of
concern for downstream drinking water supplies (Snyder et al., 2003; National Research
Council, 2012). While reverse osmosis, ozonation, and granular activated carbon can remove
many wastewater-derived trace organic contaminants (Huber et al., 2003; Snyder et al., 2007),
this additional treatment is expensive and often produces wastes that require disposal. Chemical
oxidation can also produce disinfection byproducts of concern.

Constructed wetlands have been used since the 1970s to remove nitrate and phosphate
from municipal wastewater effluent (Kadlec and Wallace, 2009). More recently, researchers
have considered using them to remove trace organic contaminants (Chapter 2). In vegetated
wetlands, microbes associated with plant surfaces remove many of the trace organic
contaminants that are susceptible to biotransformation during activated sludge treatment
(Matamoros et al., 2008b). However, rates of biotransformation are often slower in wetlands
than in treatment plants.

Sunlight photolysis can transform many wastewater-derived trace organic contaminants
detected in wastewater effluent (Andreozzi et al., 2003; Lin and Reinhard, 2005; Fono et al.,
2006). This process is usually unimportant in wetlands because shading of the water surface by
emergent macrophytes and floating vegetation reduces light penetration. While integration of
open waters is often desirable in treatment wetlands as waterfowl habitat (Fleming-Singer and
Horne, 2006) and as a means of enhancing mixing (Lightbody et al., 2007), sunlight photolysis
in deep, open waters is generally slow (Matamoros et al., 2008b). Alternatively, wetlands
constructed in a unit process fashion, with individual cells exhibiting distinctly different
characteristics, can integrate shallow, open-water cells that exploit photolysis as a means of
removing trace organic contaminants (Chapter 2).

To evaluate the potential of open-water unit process cells to transform trace organic
contaminants, a photochemical model was developed and validated under representative
conditions using compounds that undergo photolysis by different mechanisms. Using previously
published data, the model was used to predict the removal of cimetidine, diuron, NDMA, and
17B-estradiol. The model was also used to estimate the area needed to reduce the concentration
of trace organic contaminants produced by a 1 million gallon per day (MGD) nitrifying
wastewater treatment plant by 90%.

3.2 Photolysis Model

The first-order photolysis rate constant for trace organic contaminants (Kpnot) includes
transformation via direct photolysis in addition to indirect photolysis via reaction with hydroxyl
radical (-OH) (Zepp et al., 1987; Brezonik and Fulkerson-Brekken, 1998), singlet oxygen (*O2)
(Zepp et al., 1977; Latch et al., 2003b), excited triplet state dissolved organic matter (DOM®)
(Canonica et al., 1995; Gerecke et al., 2001; Boreen et al., 2004), and carbonate radical (-COz3’)
(Huang and Mabury, 2000c; Canonica et al., 2005), giving:
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kphoto = kdirect + k-OH,cont[' OI'I]ss + k-CO;,cont[' Cog]ss +k 102,cont[ 102]55 +k 3DOM*,cont (3-1)

where Kairect is the first-order direct photolysis rate constant k.o cont: K.coj,cont: @nd k 10, cont

are the second-order rates constants between contaminants and -OH, -COs’, and Oz respectively;
K 350 cont 19 the pseudo first-order rate constant for reaction of DOM” with a contaminant; and

[-OH]ss, [-CO37]ss, and [*O2]ss are the steady-state concentrations of each species. For
contaminants with relevant pKa values, Kphoto is @ function of pH, given the quantum yield and
reaction rates with reactive species for the protonated and unprotonated contaminant, and the
fraction of the contaminant protonated and deprotonated (f) (e.g.,

kdirect:fdeprotonatedkdirect,deprotonated—i_fprotonatedkdirect,protonated) .

Kdirect can be calculated from daily-averaged solar irradiance (Z(24 hr, 1)) for conditions at
40° N latitude (Figure 3.1) (Gueymard, 2003); the molar absorption coefficient (g(A)) (Figure
3.2); and the quantum yield (®; see Table 3.1) (Schwarzenbach et al., 2003):

Kairect = 2.3 ® Y3 S(V)Z(24 hr, M)e(A) (3.2)

S(M) is a light-screening factor, which accounts for light absorption in a well-mixed body of
water and is calculated by (Schwarzenbach et al., 2003):

1_10—1.2 a(A)z

S() = 23)12)ah)z

(3.3)

where a()) is the beam attenuation coefficient and z is the well-mixed depth of the water column.
a(A) 1s estimated by assuming it is related linearly to the concentration of dissolved organic
carbon:

a(d) = m(A)[DOC] + b(D) (3.4)

Values for m(A) and b(L) (Table 3.2) were obtained using UV/Vis spectra of pilot-scale wetland
water taken at dissolved organic carbon concentrations ranging from 5 to 11 mg L™-C (see
Figure 3.3 for sample plot). The obtained relationship has a non-zero y-intercept (i.e., b(A)>0),
most likely due to differences in types of dissolved organic carbon in different samples (e.qg.,
variations in the fractions of protein-derived organic carbon and humic substances present in the
wetland water).
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Figure 3.1: Predicted irradiance under clear skies at sea level (Z(24 h, 1)) of June 21% sunlight at
40°N latitude (=) (Gueymard, 2003); irradiance of solar simulator (Z())) with atmospheric filter

(= = -); and irradiance of 500 W medium-pressure mercury lamp (*¢*), measured with a
Stellarnet spectroradiometer (EPP2000C-SR-100 with CR2 cosine receptor).
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Figure 3.2: Molar absorption coefficient (€) of test compounds as a function of wavelength. Left
axis: atenolol, NDMA, diuron, and sulfamethoxazole; right axis: carbamazepine and propranolol.
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Figure 3.3: Absorbance at 310 nm (a(310)) of wetland water collected at different days
throughout the wetland with varying concentrations of DOC. Slope and intercept are m(310 nm)
and b(310 nm) respectively, which are tabulated in Table 3.2.
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Table 3.2: Parameters Used to Calculate Wetland Water Absorbance (a(A))?

) m(}) b(»)
center (cm*(mg L2-C)Y) (cm™)
297.5 9.2x10°3 4.2x107
300 8.6x10°3 4.2x107
302.5 8.1x10°3 4.1x107
305 7.8x10°3 4.0x107?
307.5 7.5x10°3 3.8x1072
310 7.2x10°3 3.7x102
312.5 7.0x10° 3.5x102
315 6.9x10°3 3.3x102
317.5 6.6x103 3.0x1072
320 6.5x103 2.8x107?
323.1 6.3x107 2.6x107
330 6.1x10°3 2.0x107
340 5.3x10°3 1.6x107?
350 4.6x1073 1.4x1072
360 4.1x10°3 1.1x1072
370 3.5x107 9.7x1073
380 3.0x10°3 8.1x1073
390 2.6x10°3 7.2x10°°
400 2.3x10°3 6.1x10°
420 1.7x1073 4.4x10°3
450 1.2x1073 3.5x1073
480 8.2x10* 2.3x10°°

2 a(W)=m(L)[DOM]+b(N).
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-OH may be formed through the photolysis of colored dissolved organic matter (CDOM)
or NOs". -OH is scavenged in natural waters by DOM, HCOs’, and COs%. Thus [-OH]ss can be
calculated by:

[- OH],, = Rform,0H,N03 *Rform,0H,DOM
58 k-OH,HCO;[HCOBT]"'k.oH,co%—[Cog_]"'k'OH,DOM[DOM]

(3.5)

where K.ou Hcos s K.om,coz- and k.og pom are the second-order reaction rates between -OH and

water constituents (see Table 3.3 for values). Reorm-onno; @Nd Reorm,-on,pom are the formation
rates (M s™) of -OH from NOs™ and DOM, which may be calculated using:

Rform,onn0; = Pnoz,on[NO3] X5 2.3 S(Weno; WZA) (3.6)

1_10—1.2 a(A)z

1.2 a(d) (3.7)

Rform,-OH,DOM = cI)DOM,-OH ZA ZO\)

Pyo;,-on and Ppom,on are the quantum efficiencies for the production of -OH from NOs™ and
DOM and were selected from the range of previously reported values to give the best
agreement between predicted photolysis rates for test compounds and those measured with a
solar simulator (see Table 3.3 for values). It should be noted that in calculating R¢orm .onpom it
is assumed that DOM is primarily responsible for a(A) and the fraction in the equation
represents the proportion of light absorbed by DOM (Schwarzenbach et al., 2003).

-COs"is produced through the reaction of -OH with HCO3 and COs? and reacts
primarily with DOM, so that:

k.onncoz [HCO3][-OH]ss+k [CO3~][-0H]ss

-OH,C03~
k.coz,00m[DOM]

[-CO3lss = (3.8)

K.co;,pom IS the second-order reaction rate between -COs”and DOM (see Table 3.3 for values).

[10:]ss is approximated by correcting near-surface summer-noon values of [*O2]ss per mg
of effluent organic matter (~1x10* M (mg of C)2), for screening and light intensity (Haag and
Hoigné, 1986):

Z(410 nm)

[ 10,]ss = 1x1071* S(410 nm) (3.9)

surface,summer—noon(‘l'10 nm)

Corrections are made at 410 nm, since this wavelength was previously determined to give the
best approximation of [1O,]ss (Haag and Hoigné, 1986). Zsurface, summer-noon (410 nm) is
approximately 0.82 mEi cm2d* (Gueymard, 2003).

Reaction rates of DOM with trace organic contaminants (k spqpy- ¢one) €aNn be estimated

using a wavelength-dependent quantum yield coefficient, (1) (Ei"lL), which accounts for the
efficiency of DOM light absorption leading to transformation of a contaminant (Canonica et al.,
1995; Gerecke et al., 2001):
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—-1.2 a(A)z

k 3DOM*,cont — Z?x f(}\)Z()\) eREL

1.2 a(A) (3.10)

Although f(A) values are not available for most contaminants, and variation between different
DOM sources may be significant (Gerecke et al., 2001), this formulation provides a method to

account for changes in water depth and DOM light absorption given a known K sp g+ .o, Value.

Table 3.3: Conditions Employed in Photolysis Model

parameter value(s)
depth (cm) 0-50

pH 7-10
[NO3] (mg L™-N) 0-20
[DOC] (mg L*-C) 1-15
[DIC] (mg L-C)? 60

Z(24 hr, A) (mEi cm™2d1)P throughout year
Pyoz,0H ° 1.6x1072
Ppom,oH ° 3.7x10°
[*O2]ss, near-surface,noon (M (Mg L*-C)™) @ 1x10%
K.onpom ((Mg L*-C)'s™) © 1.7x10*
K.coz,pom ((Mg L*-C)*s?)® 3.7x10°
K.omucos (Ms™) "2 8.5x10°
K.oH,co2- (Mgt refe 3.9x108
ah)’ m(A)[DOC] + b(})

Dissolved inorganic carbon. °24 hour-averaged solar intensity at 40° N latitude under clear skies on the
21% day of each month (Gueymard, 2003). “Quantum yields for formation of ‘OH from DOM and NOs'.
Values were selected from the range available in the literature (i.e., ®yo;,0n=0.010-0.017; ®pom,.on=
3.0-9.8x10°) (Zepp et al., 1987; Dong and Rosario-Ortiz, 2012) to give the best agreement between
model predictions and solar simulator measurements. %Average value for previously studied wastewaters
(Haag and Hoigné, 1986). *Determined in this study. ‘Light absorption by wetland water estimated by
assuming a linear relationship between dissolved organic carbon ([DOC]) and a(X). Values for m(X) and
b(A) are given in Table 3.2. References: a: (Buxton et al., 1988).
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3.3 Materials and Methods
3.3.1 Materials

All reagents were purchased from Fisher Scientific (Fairlawn, NJ) at the highest available
purity. Isotopically-labeled internal standards were purchased from CDN Isotopes (Quebec,
Canada), except for sulfamethoxazole-d4, which was purchased from Toronto Research
Chemicals, Inc. (Ontario, Canada). All solutions were prepared using Milli-Q water from a
Millipore system.

3.3.2 Wetland Water and Conditions

Photolysis experiments were conducted in water collected from a pilot-scale open-water
unit process wetland located in Discovery Bay, CA. The open-water cell received about
10,000 gallons per day (4.4x10* m3s™) of nitrified wastewater effluent from the adjacent
municipal wastewater treatment plant. The 400 m? cell was approximately 20 cm deep and
divided with 3 baffles to give nearly plug-flow hydraulics, with a hydraulic residence time
ranging from 1 to 3 days. The bottom of the cell was lined with concrete or geotextile fabric to
prevent the growth of emergent macrophytes. 2- to 5-cm of organic-matter-rich sediments with
large numbers of photosynthetic organisms accumulated on the cell bottom.

Wetland water collected from the Discovery Bay open-water pilot-scale wetland
contained on average 10-20 mg L1-N NOs", 5-10 mg L*-C DOC, and 60-80 mg L-C dissolved
inorganic carbon (HCOs and CO3%). This variation in dissolved inorganic carbon
concentrations was not predicted to affect photolysis rates significantly. The conductivity of
wetland water was typically around 1800 pS cm™. A typical UV/Vis spectrum of the wetland
water (a())) is given in Figure 3.4. The pH in the wetland exhibited diurnal changes (Figure
3.5), varying between values of about 8.5 and 10, due to production and consumption of CO..

Water samples used in this study were collected in clean, amber glass bottles from the

mid-point of the wetland, filtered through a 1-um glass fiber filter, and stored at 5° C prior to
experiments.
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Figure 3.4: Typical absorbance of wetland water with 8 mg L"1-C DOM, calculated with
a(L)=m(L)[DOM]+b(A), using values found in Table 3.2 (left axis, =) and molar absorption
coefficient (¢) of NOs3™ (right axis, = = -).
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Figure 3.5: Inlet (==) and outlet (- - =) pH values in the shallow, open-water wetland cell at
the Discovery Bay wetlands.
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3.3.3 Reaction Rate Constants for Carbonate Radical

Second-order rate constants for the reaction of test compounds with carbonate radical
(‘CO3") were measured using photosensitizer based competition kinetics methods (Canonica et
al., 2005). Briefly, test compounds (~2.5 nM) were irradiated in capped, 10-mL borosilicate test
tubes with a path length of 1-cm, using a merry-go-round reactor equipped with a 500-W
medium-pressure mercury lamp at 25° C. Solutions contained isoproturon as a reference
compound (K.co; isoproturon=3%10" M's™") (Canonica et al., 2005), along with
4-carboxybenzophone (CBBP) or duroquinone (DQ) as a photosensitizer (5 uM). Solution pH
was adjusted by varying the concentrations of sodium carbonate and sodium bicarbonate buffer
solutions (total dissolved inorganic carbon=0.5-1 M). pH values higher than those typically
encountered in sunlit surface waters were used in laboratory experiments to minimize side
reactions with sensitizers and to ensure that amine functional groups were predominantly
deprotonated. Samples were collected sacrificially at regular intervals. Assuming that losses of
test compounds and isoproturon were due only to reaction with ‘*COs", the following equation
could be used to estimate the rate of reaction of a compound with *COs” (K.co3,compound):

[[compound]»c ] _ k-Cog,compound In [[isoproturon]t ]
[compound],

(3.11)

k-Cog,isoproturon [isoproturon]o
[compound]¢

[compound]o] Versus

The rate constant was obtained from a linear regression of In [

[[isoproturon]t ]
[isoproturon], I

3.3.4 Reaction Rate Constants for Hydroxyl Radical and Carbonate Radical with Wetland
Dissolved Organic Matter

Steady-state concentrations of “OH and "COs" were calculated from the disappearance
rates of probe compounds irradiated as described above in wetland water buffered with sodium
borate buffer (10 mM) at pH values ranging from 8 to 10. Under these conditions, disappearance
of probe compounds exhibited pseudo-first order kinetics (r>>0.97). Hydroxyl radical steady-
state concentration (['OH]ss) was measured using para-chlorobenzoic acid (pCBA) as a probe
([pPCBA]o=5 uM; k.on pcea =5x10° Mt s1) (Buxton et al., 1988). ['COs7]ss Was measured using
N,N-dimethylaniline (DMA) as a probe ([DMA]o~5 uM; K.coz pma=1.8x10° M s™) (Neta et al.,
1988; Huang and Mabury, 2000a). Data were corrected for direct photolysis of DMA and loss of
DMA by reaction with "OH (k.o pma=1.4x10° Ms) (Buxton et al., 1988) using measured
['OH]ss.

Estimates of the rate constants for the reaction of radicals with wetland dissolved organic
matter (i.e., K.ou,pom and K.coz,pom) Were made by fitting measured steady-state radical
concentrations at four or more pH values to the following equations:

Rform,-0H,N03 *Rform,-0H,DOM
K.oHHCOZ [HCO§]+k.OH'CO§_ [CO%~]+kon,pom[DOM]

[ "OH]ss = (3.12)
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and

k.onHco; [HCO3][-OH]ss+k CO%™|[-0H]ss

-ou,coé‘[

[ "COslss = K.coz,pom[POM]

(3.13)

where Reorm-on,n05 @Nd Reorm-on,pom are the formation rates of *OH from photolysis of NOs™
and dissolved organic matter, respectively, and K.on ncoz: K.on,coz-+ K-on,pom, and K.coz pom

are second-order reaction rates between radical species and dissolved carbon species. Previously
measured values of k.qy ycoz and k.gy coz- Were used (Table 3.3). The formation rate of ‘OH
' 3 ) 3

from NOs”and DOM when irradiated with a medium-pressure mercury lamp (R¢orm,-on,no3 +

Rform-on,pom) Was calculated by measuring the formation rate of phenol from a solution of
benzene in wetland water, given a reaction yield of 0.85 moles of phenol per mole of benzene
that reacts with *OH (Dong and Rosario-Ortiz, 2012). The concentration of benzene employed
(i.e., ~3 mM) was calculated to scavenge greater than 99% of the *OH formed. The method of
least squares was used to determine the remaining unknown parameters, k.qy pom and

k-cog,DOM-
3.3.5 Photolysis of Representative Compounds in Wetland Water

The contribution of different photolysis mechanisms to contaminant removal in wetland
water was investigated by irradiating wetland water as described above. Air-saturated solutions
were amended with approximately 50 nM of each of four compounds (i.e., atenolol, propranolol,
sulfamethoxazole, and carbamazepine) from a concentrated aqueous stock solution prior to
irradiation. Solutions were modified to isolate the contributions of different reactive species: 1%
isopropanol (IPA) was used to quench *OH reactions (Packer et al., 2003); 0.1% isoprene was
used to quench *DOM” (Boreen et al., 2008); sparging with nitrogen gas (N2) was used to
evaluate the importance of 0, and 3DOM™ (Ryan et al., 2011); and adjustment of pH to values
between 8 and 10.5 was used to evaluate the effects of pH on photolysis.

3.3.6 Predicting Photolysis Rates in Unit Process Wetlands

Predictions of photolysis rates of trace organic contaminants in open-water unit process
cells (kphoto) included contributions from direct photolysis, in addition to indirect photolysis via
reactions with *OH, "COg’, 102, and *DOM". The conditions employed in the model calculations
are summarized in Table 3.3. Properties of contaminants necessary for the estimation of
photolysis rates at a given pH value were calculated from experimental data or obtained from
previous publications (see Table 3.1).

As described above, direct photolysis rates were calculated using measured molar
absorption coefficients and 24-hour averaged solar irradiances for clear skies at 40° N latitude
(Z(24 hr, 1)) (Gueymard, 2003) and were corrected for light screening and depth using a
screening factor (Schwarzenbach et al., 2003). Steady-state “OH and *COs" concentrations were
calculated using Equations 3.12 and 3.13. The formation rates of *OH from NO3™ (R¢orm -om,n05)

and dissolved organic matter (R¢orm -on,pom) Were calculated using *OH formation quantum
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yields from NOsz  and DOM and were corrected for depth (Zepp et al., 1987; Dong and Rosario-
Ortiz, 2012). 'O, steady-state concentrations were estimated based on previously measured
values from irradiated wastewater effluent (Haag and Hoigné, 1986). Pseudo-first order reaction
rates of 3DOM” with trace organic contaminants were estimated using a wavelength-dependent
quantum yield coefficient (f(1) (L Ei')), that accounted for the efficiency of light absorption by
DOM leading to transformation of a contaminant (Gerecke et al., 2001). A quantum yield
coefficient for the reaction of *DOM™ with propranolol was used to account for differences
between model predictions and rates measured with a solar simulator.

To evaluate the applicability of the photochemical model, predicted rates were compared
to photolysis rates of test compounds measured in a solar simulator (Oriel). Test compound
photolysis rates were measured in uncovered 1-L borosilicate beakers containing 20 cm of
wetland water amended with approximately 50 nM of test compounds. Solutions were irradiated
from above with a collimated beam (20 x 20 cm) generated by a 1000-W Xe lamp screened with
an atmospheric attenuation filter (typical spectrum shown in Figure 3.1). The solution
temperature was maintained at 15°C to minimize evaporation using a recirculating water bath.
1-mL samples were collected at regular intervals for analysis.

3.3.7 Analytical methods

Dissolved organic carbon and dissolved inorganic carbon were measured using a
Shimadzu TOC-V analyzer (Standard Method 5310 B) (American Public Health Association,
1995). NOgz was analyzed using a Dionex DX-120 ion chromatograph (Standard Method 4500-
NOz™ C) (American Public Health Association, 1995). UV/Vis absorption spectra (¢(1)) and
wetland water beam attenuation spectra (a(A)) were measured using a Perkin Elmer Lambda 35
spectrometer. pCBA , DMA, and phenol were separated using an HPLC equipped with a 4.6
mm x 250 mm supelcosil LC-18 5um column. pCBA was detected at 240 nm, with a mobile
phase of 60% acetonitrile and 40% 5mM sulfuric acid. DMA was detected at 252 nm, with a
mobile phase of 70% acetonitrile and 30% 5 mM ammonium acetate adjusted to pH 8. Phenol
was detected at 270 nm, with a mobile phase of 60% acetonitrile and 40% 10 mM formic acid.
A flow rate of 1 mL min was used for all analytes.

Pharmaceuticals and isoproturon were separated using a 2.1 mm x 30 mm Zorbax SB-
C18 3.5 um column, eluted with at 0.5 mL min™ acetonitrile and 0.1% acetic acid in water with
the following gradient: 0 minutes, 5% acetonitrile; 5.5 minutes 55% acetonitrile; 6 minutes,
100% acetonitrile; 9 minutes, 100% acetonitrile; 10 minutes, 5% acetonitrile. All compounds
were detected using electrospray ionization (ESI) with a 60-100 ms dwell time and a gas
temperature of 350° C, a gas flow rate of 11 L/min at 50 psi, and a capillary voltage of 3600 V.
Compound-specific parameters are given in Table 4.1, although only atenolol, propranolol,
carbamazepine, and sulfamethoxazole were analyzed for photolysis studies described in this
Chapter.
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y = 17.681x - 0.1931
R2 = 0.9304 . .

-In([propranolol]/[propranolol],)

0.4

-In([isoproturon],/[isoproturon],)

Figure 3.6: Typical results from competition kinetics experiment used to measure k.co3, cont-

Samples were irradiated in a merry-go-round reactor equipped with a 500 W medium-pressure
mercury lamp. pH=11.4; [isoproturon]o=2.5 nM; [propranolol]o=2.5 nM; [CBBP] =5 uM;
[CO5%1=0.5 M.
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3.4 Results and Discussion

Wetland water contains chromophores that serve as sources of reactive oxygen species
and triplet state species. As a result, photolysis rates of some compounds increased in wetland
waters relative to those measured in deionized water. For other compounds, photolysis rates
decreased in the presence of chromophores due to light screening. Experiments with probe
compounds provided a basis for predicting the magnitude of these effects over a range of
conditions.

3.4.1 Carbonate Radical Reactions with Contaminants

The competition Kinetics method used to determine second-order *COs" reaction rates
with test compounds exhibited pseudo first-order kinetics as indicated by the linearity of data
plotted according to Equation 3.11 (r>>0.9; see Figure 3.6). Dark controls indicated that none of
the compounds underwent hydrolysis at appreciable rates relative to photolysis. Both CBBP and
DQ were used as sensitizers to evaluate the possibility of a side reaction between the sensitizer
and the test compound. The observed agreement between rate constants measured with the two
sensitizers indicated that side reactions were not important at pH 11.4 (see Table 3.4).

Table 3.4: Second-Order Rate Constants for the Reaction of -CO3 with Test Compounds?
sensitizer® (107 M-1s'1)

CBBP DO
compound pH 8.2 pH 11.4 pH 8.2 pH11.4
atenolol 0.9 (+0.4) 5.9 (+1.6) 0.3 (0.2) 5.4 (+0.9)
propranolol® 7.8 (£5.6) 46.3 (+6.8) 7.6 (£4.5) 42.9 (£5.1)
sulfamethoxazole® 12.9 44.4 (£12.4) 17.9 324
carbamazepine 0.2 (x0.1) 0.23 (x0.05) 0.5 (£0.2) 0.32 (+0.03)

#K.co3 cont- bErrors when available are + one standard deviation. ¢ Rates corrected for direct photolysis.

The rate constants for reactions of test compounds with *CO3" at pH 11.4 varied over
more than two orders of magnitude (Table 3.4), reflecting the selectivity of ‘COs~. Changes in
ionic strength did not significantly affect measured rate constants. As expected, ‘COz3" reacted
rapidly with sulfur-containing functional groups on sulfamethoxazole (Chen and Hoffman, 1975;
Huang and Mabury, 2000b). *COs" also reacted rapidly with the deprotonated amines atenolol
and propranolol.

To assess the role of compound speciation on reaction rates with “CQOz", experiments were
performed at pH 8.2 and 11.4 for atenolol (pKa=9.6) and propranolol (pKa=9.5). Attempts to
measure k.co; at pH 8.2 were complicated by side reactions between sensitizers and test
compounds, as evidenced by differences in second-order rate constants measured using the two
sensitizers (Table 3.4). In both cases, measured values for k..o were approximately an order of
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magnitude lower for the deprotonated -blockers relative to the protonated species (Table 3.4).
As expected, "COs" reaction rates with carbamazepine did not vary significantly with pH (Table
3.4). Although the protonation state of sulfamethoxazole does not change significantly between
pH 8.2 and pH 11.4, measured k.co; values varied by approximately a factor of 2.5. This change

may have been due to side reactions with sensitizers at pH 8.2. Therefore, k.co; values
measured at pH 11.4 were used for sulfamethoxazole in subsequent model calculations.

3.4.2 Reaction of Hydroxyl Radical and Carbonate Radical with Wetland Dissolved Organic
Matter

Measured ['OH]ss and ['COs]ss were strongly affected by pH, with an 80% decrease in
[OH]ss and a greater than 100% increase in [COs]ss as pH increased from 8 to 10 (Figure 3.7).
The observed shift in concentrations of radicals was attributed to the faster reaction rate of ‘OH
with COs? relative to HCO3™ (Buxton et al., 1988). This was especially relevant in open-water
wetlands, where photosynthesis resulted in pH values as high as 10 (see Figure 3.5).

To assess the relative importance of dissolved organic matter and dissolved inorganic
carbon as sinks for radicals, [ OH]ss and ['COs7]ss were modeled using equations 3.12 and 3.13.
The measured formation rate of "OH in wetland water when irradiated with a medium-pressure
mercury [amp ((Rform,-on,N05 + Rform-on,pom)=4.3x10"%+ 0.2 M s*; data not shown) was
similar to previously measured rates (Dong and Rosario-Ortiz, 2012). Steady-state radical
concentrations were calculated by fitting the adjustable parameters k.oy,pom and k.co; pom t0
equations 3.12 and 3.13 using a least-square model (Figure 3.7). The best-fit value of k.oy pom
(i.e., 1.7x10* (mg L1-C)1s™) was approximately 30% lower than values reported for reactions of
"OH with DOM in natural waters (i.e., 2.3x10* (mg L*-C)*s™) (Brezonik and Fulkerson-
Brekken, 1998) and 80% lower than values for municipal wastewater effluent (i.e.,
7.2x10* (mg L*-C)*s™) (Rosario-Ortiz et al., 2008). The best-fit value for k.coz pom (i-€.,
370 (mg L1-C)*s) was approximately 30% higher than previously reported values for a
hydrophobic Suwannee River fulvic acid extract (i.e., 280 (mg L-C)*s?) (Canonica et al.,
2005) and more than 9 times higher than a Suwannee River dissolved organic matter extract (i.e.,
40 (mg L1-C)*s?) (Larson and Zepp, 1988). The relatively high reactivity of the natural organic
matter in this study may be attributed to its source—namely wastewater effluent and the algae,
diatoms, and bacteria on the bottom of the cell. Previous research has shown that effluent
organic matter may contain abundant reactive moieties associated with soluble microbial
products (Dong et al., 2010). Presumably the organisms present in the open-water-cell biofilm
released similar reactive compounds.
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[OH]ss (1071° M)
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Figure 3.7. Measured ['OH]ss (H) and ['COz37]ss (®) in Discovery Bay wetland water when
irradiated with a 500-W medium-pressure mercury lamp. ['OH]ss (- --) and ['CO37ss (---) plotted
according to Equations 2 and 3. [NO3z]=16 mg/L-N; [DOM]=5.5 mg of C/L; [HCO3] +
[CO5%]=60 mg L1-C; K.onucoz =8.5x10° Ms?; k_OH'C(,%—=3.9X108 Mst: (Rform,onNo; +
Rform.-on pom)=4-3x10"° M st (measured); k.oy pom=1.7x10* (mg of C L) s (best fit);
K.coz,pom=370 (mg of C L™)™*s™ (best fit). Error bars represent + one standard deviation.
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Figure 3.8: Pseudo first-order photolysis rates for test compounds in wetland water, wetland
water sparged with N, wetland water spiked with 1% IPA, wetland water spiked with 1% IPA
and 0.1% isoprene, and deionized water. All solutions were buffered at pH 8.5. Rates were
measured in a merry-go-round reactor with a 500-W medium-pressure mercury lamp. Error bars
represent + one standard deviation.
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Figure 3.9: Pseudo first-order photolysis rates for test compounds in wetland water buffered at
pH 8 and 10.5. Rates were measured in a merry-go-round reactor with a 500-W medium-
pressure mercury lamp. Error bars represent + one standard deviation.
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Figure 3.10: Predicted and measured pseudo first-order photolysis rates for test compounds in
20 cm deep wetland water buffered at pH 9 and 10 under a solar simulator. [DOC]=8 mg L*-C;
[NO3s]=16 mg L-N; depth=20 cm; [HCO3]+[CO3%]=60 mg L*-C. Error bars represent + one
standard deviation.
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Figure 3.11: Predicted contributions of photolysis mechanisms to kpnot at pH values of 8 and 10.
[DOC]=8 mg L1-C; [NO3]=20 mg L*-N; depth=30 cm; [HCO3]+[CO3%]=60 mg L*-C; solar
intensity (Z(24 hr, X)) of June 21% under clear skies at 40°N latitude.
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3.4.3 Photolysis of Test Compounds in Wetland Water

Each probe compound exhibited different behavior with respect to the relative
contributions of different photolysis mechanisms when irradiated with a medium-pressure
mercury lamp. Among the compounds studied (atenolol, propranolol, sulfamethoxazole, and
carbamazepine), only sulfamethoxazole and propranolol underwent direct photolysis at
appreciable rates in deionized water (Figure 3.8), which was consistent with previous findings
(Andreozzi et al., 2003; Lin and Reinhard, 2005; Lam and Mabury, 2005). In wetland water at
pH 8.5, "OH accounted for much of the loss of carbamazepine and atenolol, as evidenced by the
80% decreases in transformation rates observed upon addition of IPA (Figure 3.8).

Photosensitized reactions involving *DOM” were important to the loss of propranolol.
When wetland water was sparged with N2 to remove Oy, a triplet quencher, the rate of loss
almost doubled, while addition of the triplet quencher isoprene reduced the rate of propranolol
loss by approximately 50% (Figure 3.8). These observations were consistent with previous
studies of propranolol photolysis in the presence of humic substances (Chen et al., 2009). The
rate of transformation of atenolol, sulfamethoxazole, and carbamazepine increased slightly under
N»-sparged conditions and decreased slightly but not significantly upon addition of isoprene,
implying a small contribution of 3DOM” to the photolysis of these compounds. Results from
other studies suggest that SDOM” contributes to the photolysis of sulfamethoxazole in municipal
wastewater effluent (i.e., 16% of total photolysis rate) (Ryan et al., 2011) and the photolysis of
atenolol increases in the presence of fulvic acid isolates (i.e., greater than 50% of the total
photolysis rate with 20 mg L™3-C DOM) (Wang et al., 2012). The smaller contribution of
3DOM" observed in this study may have been due to differences in experimental conditions or
variations in the properties of 3DOM” from different sources, such as antioxidative properties
(Canonica and Laubscher, 2008; Wenk et al., 2011). In addition, formation of ‘OH and "COs"
from the high concentration of NOgz™ in the nitrified wastewater effluent reduced the relative
importance of reactions with SDOM”.

To assess the impacts of pH on photolysis rates, experiments were repeated in wetland
water buffered at pH 10.5 (Figure 3.9). Atenolol and carbamazepine, which were transformed
mainly by "OH at pH 8.5, exhibited different behavior at pH 10.5 due to the conversion of ‘OH to
‘COz". The rate of loss of carbamazepine decreased by approximately 70% due to its low
reactivity with "COz", while the rate of loss was almost unchanged for atenolol due to its
relatively high rate of reaction with *COz". As expected, the rate of loss of both sulfamethoxazole
and propranolol increased at high pH values, due to relatively fast rates of reaction of these
compounds with *COs3".

3.4.4 Photolysis Model Validation and Predictions

Photolysis experiments conducted with a medium-pressure mercury lamp provided a
means of obtaining precise data within a period of several hours. However, the conditions used
in those experiments were different from conditions encountered in sunlit waters. To assess the
potential for artifacts associated with differences in the spectral qualities and light intensity,
photolysis rates were measured using a solar simulator and water depth comparable to that of the
pilot-scale open-water unit process cell. Comparison of measured photolysis rates of test
compounds in the solar simulator agreed within approximately 10% with rates predicted by the

54



photolysis model at pH values bounding the range typically observed in the pilot-scale system
(Figure 3.10).

Due to the large contribution of 3DOM” to the indirect photolysis rate of propranolol
(e.g., see Figure 3.8), it was necessary to estimate a quantum yield coefficient (foropranotol(A)) for
the reaction of DOM™ with propranolol. foropranolol(X) Was assumed to have a similar exponential
dependence on wavelength as f(A) values obtained for other organic compounds (i.e.,
f0)=A*e 2" L Eil, where A is a compound-dependent parameter) (Gerecke et al., 2001). The
parameter A was estimated for propranolol by minimizing the differences between model
predictions and photolysis rates measured using a solar simulator. The obtained value for
Apropranolol Was about 5 times larger than the reported value for diuron (i.e., Adiuron=3.5;
Apropranolo|:16) (Gerecke etal., 2001).

The photochemical model was used to predict the contributions of different photolysis
pathways to the overall photolysis rates of the test compounds and two additional compounds for
which appropriate data were available (i.e., NDMA and 17p-estradiol). The predicted
contributions of each photolysis mechanism to overall photolysis rates of test compounds were
similar to those observed using quenchers and the mercury lamp (Figure 3.8). For compounds
that reacted mainly with "OH and "COs" (i.e., atenolol and carbamazepine), predicted half-lives
exceeded 3 days at pH 8 and 5 days at pH 10 (Figure 3.11). Propranolol and sulfamethoxazole
were predicted to have half-lives of 0.5 to 1 days, with higher rates expected at pH 10 due to
reactions involving ‘COs".

Literature data was used to predict the removal of NDMA and 17p-estradiol in the open-
water cell. NDMA was predicted to exhibit half-lives of less than 8 hours at pH 8 due to direct
photolysis, with a half-life almost twice as long at pH 10 due to the lower quantum yield of the
compound above pH 8.5 (Lee et al., 2005). Predicted half-lives for 17p3-estradiol were about
2.5 days at pH 8 and 1 day at pH 10, due to increased reaction rates of 1Oz and *CO3™ with the
deprotonated species at alkaline pH values.

3.4.5 Estimation of Wetland Area Necessary for Contaminant Photolysis

To assess the merits of open-water unit process wetlands as a means of removing
chemical contaminants via photolysis it is useful to consider the area necessary to achieve a
desired level of treatment. For many wastewater-derived organic contaminants, a 90% decrease
in concentration will result in concentrations below a threshold for ecological or human health
concerns. For example, a 90% reduction of typical propranolol concentrations in municipal
wastewater effluent (i.e., 0.1-0.5 pg L) (Sedlak and Pinkston, 2001; Huggett et al., 2003) would
result in concentrations that are about an order of magnitude lower than the concentration at
which reproductive effects in aquatic organisms have been observed (Huggett et al., 2002).
Similarly, a 90% reduction would reduce NDMA concentrations in most wastewater effluent
samples below the 10 ng L notification level set by the California Department of Health
Services (Mitch et al., 2003). In addition, a tenfold decrease in concentration of wastewater-
derived trace organic contaminant concentrations would result in concentrations in effluent-
dominated waters that are comparable to levels typically detected in surface waters (i.e., many
surface waters in the United States consist of around 10% wastewater under low-flow
conditions) (National Research Council, 2012).
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For the purpose of assessing the land required for treatment, it is useful to consider the
area needed to achieve 90% reduction in concentration for 1 MGD of wastewater effluent. This
provides a simple basis for estimating land areas in different locations (i.e., to estimate the land
needed to treat 10 MGD the value is multiplied by 10). This value, which we refer to as A}, is
calculated as follows:

We first calculate the nominal hydraulic residence time (HRT) of the system and convert
it to units of hectares per MGD (ha MGD™):

2(m) A(m?2) z(m)A(ha)—m’io}?amz 1y —1x z(m)A(ha)
HRT = 22200 — 2 = 2.64(MGD dmtha )22 (A3.14)
Q(m3d—1) Q(MGD)3785m /4 Q(MGD)
1 MGD

Where A is the wetland area, Q is the volumetric flow rate, and z is the depth. Since photolysis
obeys pseudo-first order Kinetics, the time necessary for 90% removal of a contaminant can be
replaced by HRT in the equation for first-order degradation:

== 0.1 = e Mphotot = e~Kphoto HRT (3.15)

[0}

By taking the natural logarithm of both sides of Equation 3.15, substituting in Equation 3.14 for
HRT, and rearranging yields:

—1In(0.1) Q (MGD) Q (MGD)

— — -13-1
A(ha) "~ 2.64(MGDdha—1m~1) z(m)Kphoto(d™1) - 0'87(MGD d™'m ha) z(m)Kphoto (d™1) (316)
Using a volumetric flow rate of 1 MGD Yyields:
-14-1
A};O(ha) _ 0.87 (MGD™*d™*ham) (3.17)

z(m) kphoto(d_l)

Wetland area is an important design criterion for wetland projects because they are often
limited by available space, and capital costs for wetland construction increase approximately
linearly with wetland area (Kadlec, 2009). To assess the impact of design parameters on wetland
performance, the model was used to predict AL, for a suite of representative contaminants.

Effect of Depth on Treatment Efficiency. A}, decreased with increasing depth for all
compounds, with the most significant decreases occurring between 0 and 20 cm (Figure 3.12a).
Deeper open-water cells were predicted to be more effective because decreases in photolysis
rates due to light screening were compensated for by increases in wetland hydraulic residence
times.

Wetland depths beyond 50 cm may be impractical for open-water cells because deeper
wetlands result in longer hydraulic residence times that are conducive to the growth of floating
aquatic plants, such as duckweed (EPA, 2000a). Furthermore, deep photolysis wetlands will
exhibit less growth of photosynthetic organisms at the sediment-water interface—a location
where additional contaminant removal occurs via sorption and biotransformation (Chapter 4).
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Figure 3.12: Area predicted to provide 90% removal of contaminants from 1 MGD of
wastewater effluent in open-water treatment wetlands (A},) under varying: (a) depth; (b) [DOC];
(c) pH; and (d) season. If not varied, pH=8; [DOC]=8 mg L*-C; [NO3]=20 mg L*-N; depth=30
cm; [HCO3]+[C0O3%]=60 mg L-C; solar intensity (Z(24 hr, 1) of June 21%" under clear skies at
40°N latitude. Dashed lines show the area per MGD of existing full-scale wetland systems and
the typical size of wetlands designed for nitrate removal.
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Figure 3.13: Area needed to provide 1-log removal of contaminants from 1 MGD with different
[NOs7] under clear skies at 40° N latitude summer sunlight (Z(24 hr, })). [DOC]=8 mg L-C;
depth=30 cm; [HCO3]+[CO3?]1=60 mg L*-C; pH=8. Dashed lines show the area per MGD of

existing full-scale wetland systems.
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Effect of Nitrate on Treatment Efficiency. Nitrate is expected to be important to the
removal of compounds that react with *OH and *COz’, such as atenolol and carbamazepine. Asa
result, removal of these compounds from nitrified wastewater effluent, which typically contains
5to 20 mg L™-N NOs™ (Pocernich and Litke, 1997), is predicted to require an area that is about
half as large as what would be required if the wastewater had been denitrified prior to treatment
(Figure 3.13).

Effect of Dissolved Organic Carbon on Treatment Efficiency. Dissolved organic carbon
had a strong effect on A}, for most compounds, mainly due to its ability to screen sunlight and
scavenge ‘OH and "COgz" (Figure 3.12b). For compounds that are removed primarily by reaction
with "OH and "COs’, such as carbamazepine, atenolol, and sulfamethoxazole, A%, increased by
approximately 50% when dissolved organic carbon concentration increased from 5 to 10 mg L.
Compounds that react rapidly with 3DOM", such as diuron, showed the most significant
differences in AL, at very low concentrations of dissolved organic carbon. This may also be true
for compounds such as 17p-estradiol if reaction with >SDOM” were included in model predictions
(Leech et al., 2009). Unfortunately, rate constants for reactions of 3DOM” with many
compounds are not available, which is a topic that requires further research.

10, steady-state concentrations were predicted to increase with increasing concentrations
of dissolved organic matter. Thus, compounds that react rapidly with 1Oz, such as cimetidine,
exhibited little change in A}, as dissolved organic carbon concentrations increased, despite
increased light screening at higher dissolved organic carbon concentrations. It should be noted
that the supersaturated dissolved oxygen concentrations created by photosynthetic organisms on
the bottom of open water cells could have increased the importance of 1O, relative to *DOM”,
due to the scavenging of 3DOM” by O,. Additional research would be needed to quantify the
magnitude of this effect.

Effect of pH on Treatment Efficiency. Open-water unit process cells exhibit wide
variations in pH that are determined by the alkalinity, depth, and mixing of the wastewater
effluent, in addition to the activity of photosynthetic organisms at the sediment-water interface.
For example, in the pilot-scale cell employed in this study, pH increased from values of 8 to 10
as water passed through the system over a two-day residence time (Figure 3.5). In the early
morning, or before the photosynthetic organisms were established, pH values remained below 9
throughout the cell.

Changes in wetland pH affected the area needed to remove most contaminants via
photolysis (Figure 3.12c). Insight into these trends can be gained by considering dominant
photolysis mechanisms for test compounds at pH values of 8 and 10 (Figure 3.11). One
important pH-dependent change was the conversion of ‘OH to *COz" (Figure 3.7). As a result of
this phenomenon, compounds that react slowly with *COz" under alkaline conditions (i.e.,
k.co§<108 Ms), such as atenolol and carbamazepine, are predicted to require larger areas for
treatment at higher pH values. Conversely, compounds that react with *COz3" at rates above
108 M1s (e.g., sulfamethoxazole and propranolol) should require the same or slightly smaller
areas at elevated pH values.
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Phenolic compounds (e.g., 17p-estradiol) should need less area for treatment at elevated
pH values because their deprotonated forms react with 1O, and ‘COg3 at rates that are over an
order of magnitude faster than their protonated forms (Neta et al., 1988; Tratnyek and Hoigné,
1991).

Direct photolysis rates were also affected by pH due to changes in molar absorption
coefficients or quantum yields of different forms of the compounds (Boreen et al., 2004). For
example, the rate of direct photolysis of NDMA was predicted to decrease by approximately
75% between pH 7 and 10 (Figure 3.11) due to the effect of protonation of an excited photo-
intermediate on the reaction quantum yield (Lee et al., 2005). For NDMA, this effect translated
to more than doubling A}, as pH increased from 8 to 10.

Effect of Season on Treatment Efficiency. Seasonal variations in solar intensity should
also affect AL,. For all modeled compounds, A%, values were predicted to increase by a factor of
3 to 4 between summer and winter conditions (Figure 3.12d).

Seasonal variation in treatment efficiency is a common challenge for treatment wetlands.
For example, microbial denitrification rates slow significantly under cold winter conditions
(Bachand and Horne, 2000). In some locations, the summertime period when open-water cells
exhibit their best performance will coincide with times of low flow in receiving waters (Loraine
and Pettigrove, 2005). The design of open-water unit process cells will need to account for
seasonal variations in dilution and conditions in these receiving waters.

3.4.6 Comparison of Photolysis Cells and Existing Wetlands

To gain insight into the feasibility of building open-water unit process cells, it is useful to
compare predicted A}, values for photolysis with the areas occupied by existing wetlands
designed to remove nutrients or to provide wildlife habitat (dashed lines in Figure 3.12). The
Prado wetlands in Orange County, California occupy approximately 200 ha. They currently
receive up to 65 MGD of water from the effluent-dominated Santa Ana River, yielding a
footprint of about 3 ha MGD™* (Orange County Water District, 2008). The Easterly Wetlands,
located near Orlando, Florida, receive approximately 20 MGD of wastewater effluent in 475 ha,
yielding a footprint of about 22 ha MGD™* (Florida Department of Environmental Protection,
2012). Wetland footprints of between 6 and 14 ha MGD™! have been recommended for the
removal of nitrate in surface flow constructed wetlands (Horne, 1995).

Comparison of predicted values of A}, with areas of existing full-scale wetlands suggests
that open-water cells can provide efficient year-round treatment of photo-labile compounds, such
as NDMA and propranolol. During spring and summer, the cells would also provide substantial
removal of less reactive compounds, such as 17-estradiol and sulfamethoxazole. The least
photo-reactive compounds, such as carbamazepine and atenolol, would only be removed to a
significant extent through photolysis in relatively large photolysis wetlands during summer
months. In practice, A}, values may be considerably lower because microbes at the sediment-
water interface will remove contaminants by biotransformation (Chapter 4).
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3.4.7 Application to Wetland Design

The model described above may also be used to assess the role of photolysis in wetlands
that were built without open-water zones designed to enhance photolysis. Many wetlands
include open water sections for mixing or waterfowl habitat. In these wetlands, A}, values can
be estimated by accounting for the fraction of open water (Fopen) in partially vegetated or shaded
wetlands:

A}Bo,vegetated = FopenA%)O (3.18)

For example, the Tarrant Regional Water District’s treatment wetlands, located south of Dallas-
Ft. Worth, Texas, consist of about 50% open water intermixed with emergent vegetation (Kadlec
etal., 2011). The wetland has a footprint of about 8 ha MGD%, making approximately

4 ha MGD available for photolysis. Thus, according to model predictions depicted in Figure
3.12, photolysis may be remove many photo-labile contaminants in this system.

Ideally, however, open-water unit process cells will be designed as part of a unit process
wetland with different types of wetland cells combined in series to maximize treatment
efficiency and reliability (Chapter 2). Due to the effect of NO3z™ on the production of "OH and
"'COz’, an open-water cell would likely be most effective for removal of trace organic
contaminants as the first process in the treatment wetland. However, additional research is
needed to determine if wetland-derived dissolved organic carbon is more photoreactive than
wastewater-derived dissolved organic carbon, which could result in increased photolysis rates for
certain compounds in open-water unit process cells situated downstream of vegetated wetland
cells (Pinney et al., 2000).

It is also important to note that most trace organic contaminants will be transformed, and
not mineralized, in photolysis wetlands. Although many photo-products will lack the specificity
of their parent compounds with respect to biological receptors, further research is needed to
determine if additional risks are posed by photo-products. It is also possible that photo-products
produced are more amenable to biotransformation in subsequent unit process cells than their
parent compounds.
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CHAPTER 4. Biotransformation of Trace Organic Contaminants in
Open-Water Unit Process Treatment Wetlands

Reprinted with permission from Jasper, J.T.; Jones, Z.L.; Sharp, J.O.; Sedlak, D.L.
Biotransformation of trace organic contaminants in open-water unit process treatment wetlands.
Environ. Sci. Technol. 2014, 48, 5136-5144.

© 2014 American Chemical Society.
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4.1 Introduction

Engineered treatment wetlands are commonly employed as polishing steps for municipal
wastewater effluent to remove nutrients and metals that would otherwise require costly upgrades
to wastewater treatment plants (Kadlec and Wallace, 2009; Vymazal, 2010). Increasingly,
treatment wetlands are also being considered as a cost-effective and sustainable means of
removing trace organic contaminants (e.g., pharmaceuticals and personal care products) from
municipal wastewater effluent (Oulton et al., 2010; Hijosa-Valsero et al., 2010a; Chapter 2).

Effective trace organic contaminant removal in treatment wetlands is commonly hindered
by hydraulic inefficiencies, such as short-circuiting, in addition to a limited understanding of
how wetlands can be designed to optimize trace organic contaminant removal. The result is
drastic variations in trace organic contaminant removal efficiencies among vegetated wetland
systems (Chaper 2; Li et al., 2014). The application of unit process design (e.g., connecting
wetland cells optimized for the treatment of specific contaminants in series) could provide more
effective removal of contaminants, while reducing hydraulic inefficiencies. However, successful
implementation of this design strategy requires both a mechanistic understanding of removal
processes in wetland cells as well as the development of novel wetland cells designed
specifically for the removal of target contaminants.

As part of an effort to develop new unit process wetland cells, we recently described an
open-water cell capable of removing photo-labile trace organic compounds (Chapter 2).
Preliminary monitoring studies at the pilot-scale open-water cell indicated that the removal of
several trace organic contaminants could not be explained by photolysis alone. As a result, we
hypothesized that algae and associated microbes that formed a 2-7 cm thick biomat on the
wetland bottom were responsible for some of the contaminant attenuation. Previous studies of
algae and bacteria in streams receiving wastewater effluent indicate that microbial communities
at the water-sediment interface are capable of removing trace organic contaminants such as
17B-estradiol, 4-nonylphenol, ibuprofen, and microcystin-RR. In many cases, these biofilms are
more important to contaminant attenuation than suspended microorganisms (Winkler et al.,
2001; Wu et al., 2010; Writer et al., 2011a, 2011b).

The microbial community that grows in shallow, open-water cells receiving municipal
wastewater effluent may be more effective at transforming trace organic contaminants than
communities in shallow streams, because high nutrient inputs and low water velocities lead to
accumulation of more biomass. Furthermore, continuous exposure to wastewater effluent may
lead to selection for organisms capable of metabolizing wastewater-derived contaminants.

The biomat may also be able to transform certain compounds more efficiently than the
microbes in wastewater treatment plants. Carbon availability and cycling in this mixed
autotrophic/heterotrophic assemblage results in a gradient with respect to electron acceptors and
labile carbon compounds that is different from the conditions encountered in a conventional
wastewater treatment plant. For example, during the day algal photosynthesis leads to
supersaturated dissolved oxygen concentrations, which can enhance the rate of biotransformation
of certain compounds (Matamoros et al., 2005; Hijosa-Valsero et al., 2010a, 2010b), while
anoxic zones formed by microbial respiration at night or within the biomat may enhance
biotransformation of other compounds (Xue et al., 2010; Khunjar et al., 2011).
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The purpose of this study was to evaluate the ability of a surface-flow open-water
wetland cell receiving fully nitrified wastewater effluent to remove a suite of wastewater-derived
trace organic contaminants through sorption and biotransformation. To provide insight into the
microbiology of the biomat, the community present on the wetland bottom was characterized by
both phylogenetic 16S rRNA gene sequencing and microscopic approaches. Biotransformation
rates and sorption capacities were assessed in microcosms utilizing biomass from the pilot-scale
wetland and were compared to removal rates of test compounds in a pilot-scale open-water
wetland cell.

4.2 Materials and Methods
4.2.1 Materials

All reagents were purchased from Fisher Scientific (Fairlawn, NJ) at the highest available
purity. Isotopically-labeled internal standards were purchased from CDN Isotopes (Quebec,
Canada), except for sulfamethoxazole-ds which was purchased from Toronto Research
Chemicals, Inc. (Ontario, Canada). All solutions were prepared using 18 MQ Milli-Q water
from a Millipore system.
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Figure 4.1: Photograph of the pilot-scale open-water unit process cell, located in Discovery Bay,
CA (37.9°N, 121.6°W). Arrows indicate flow direct and X indicates sampling location.

4.2.2 Monitoring of the Pilot-Scale Wetland.

Ambient test compound concentrations and water quality parameters were monitored in a
shallow (20 cm deep), pilot-scale open-water wetland (area=0.04 ha) in Discovery Bay,
California that had been operating for 3 years (Figure 4.1). The cell was lined with a non-
permeable geotextile fabric to prevent the growth of emergent macrophytes. The bottom of the
cell was colonized by a diffuse (90+£5% water by volume) biomat consisting of algae, associated
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microorganisms, and detritus. The biomat was approximately 7 cm thick near the cell inlet and
tapered in thickness along the flow path of the wetland to 2 cm near the cell outlet, occupying
about 20% of the cell volume and corresponding to a total dry mass of approximately 1000 kg.
Although the biomat was not firmly attached to the wetland bottom, it was not disturbed at the
low flow rates employed. Photosynthesis resulted in daytime dissolved oxygen concentrations as
high as 25 mg L during the summer.

The wetland cell received approximately 7x1072 to 2x102 million gallons per day (MGD)
(i.e., 2.6x102 to 7.6x102 ML d* (MLD)) of un-disinfected, nitrified wastewater effluent from
the adjacent oxidation ditch treatment plant. The hydraulic residence time in the cell ranged
from 1 to 3 days. Relatively short hydraulic residence times were employed to prevent the
growth of floating vegetation (EPA, 2000a). Baffles installed across the cell ensured
approximately plug-flow conditions, as indicated by Rhodamine-WT tracer tests (Figure 4.2).

Aqgueous samples were collected at the influent, effluent, and at the end of each of the
three baffles over a 3-year period (Figure 4.1). Aqueous samples were collected in 1 L, baked
amber glass bottles, filtered through 1 um glass fiber filters and refrigerated prior to analysis.
400 mL samples were amended with approximately 10 ng of isotopically-labeled internal
standards and extracted via SPE, as described above, prior to analysis. In some cases, 1 mL
samples were amended with 2.5 ng of isotopically-labeled internal standards, and analyzed by
HPLC-MS/MS with direct injection of either 100 pL or 800 puL sample aliquots. Samples were
analyzed within 3 days of collection.

Test compounds were extracted from biomat samples collected throughout the pilot-scale
wetland using methanol, as described below.

Compound attenuation rates were calculated by fitting concentrations measured
throughout the wetland to pseudo first-order kinetics (r>>0.8) assuming plug-flow hydraulics:

C = Cy e KpitotV/Q (4.1)
where C is the compound concentration; Co is the compound concentration at the influent; Kpiiot is

the pseudo first-order attenuation constant (d1); V is the cell volume (i.e., 8x10% L); and Q is the
flow rate measured at the wetland inlet (i.e., 2.6x10 to 7.6 x102 MLD).
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Figure 4.2: Breakthrough curve of rhodamine-WT in a tracer test in the pilot-scale open-water
cell. Rhodamine-WT was injected at cell inlet at 0 hours and samples were collected at the cell
outlet and analyzed by fluorometry (Turner TD 700). The center of mass was calculated to be 27
hours. The flow into the cell was 1.9x102 MGD (8.1x10* m3 s%).

66



1.0 -

o o
» oo
| |

Irradiance (W cm-2)
O
~
|
—

0.2 -

|

300 350 400 450 500 550 600 650 700 750 800

Wavelength (nm)

Figure 4.3: Spectrum of the red lamp used in microcosm experiments measured with a
spectroradiometer (Stellarnet).
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Figure 4.4: Percent mass recovery of test compounds amended to reactors containing autoclaved
wetland biomass (13 g L™!) maintained at pH 8.7 (black) and pH 10.0 (gray) by buffering with 20
mM borate. Reactors were gently mixed in triplicate on a rotisserie for 2 hours at 4°C in the dark

prior to extraction. Error bars represent + one standard deviation.
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4.2.3 Microcosms

Experiments to assess test compound sorption and biotransformation were conducted in
triplicate in uncovered microcosms containing 1 L of 1-um filtered water collected from the
midpoint of the Discovery Bay open-water cell (([DOC]=8 mg C L; [NOs =10 mg N L), and
freshly collected biomass from the cell bottom (approximately 8 g dry mass). Microcosms were
amended with a mixture of six test compounds at a concentration of 5 pg L each. Microcosms
were incubated at room temperature (25-30°C) in the dark or under monochromatic visible light
(635 nm; 13.5 W red light, GenCom). The light supported photosynthesis without transforming
the test compounds via photolysis (see Figure 4.3 for lamp spectrum). Dark microcosms were
gently agitated from above using stir bars suspended on nylon strings to mimic the effects of
mixing in wetlands while minimizing perturbation of the biomat. llluminated microcosms were
mixed via bubbles produced by photosynthesis in the biomat. Dark microcosms exhibited a
stable pH value of approximately 8.5. In illuminated microcosms, irradiation with visible light
increased the pH value to approximately 10 within 24 hours.

1 mL aqueous samples were collected throughout microcosm experiments, and were
filtered through 1 um glass-fiber Acrodisc syringe filters (Pall Corporation), amended with about
2.5 ng of each isotopically-labeled internal standard, and refrigerated until analysis (within 1
week). Test compounds were extracted from dewatered (centrifuged at 5,000 RPM, 10 minutes),
wet biomat samples (about 0.1 g dry weight). Samples were agitated for approximately 8 hours
on a rotisserie in 15 mL of methanol amended with about 2.5 ng of each isotopically-labeled
internal standard. Methanol extracts were filtered (1 pm glass-fiber; Millipore, Bellerica, MA)
and diluted to 1 L with deionized water prior to clean-up and concentration via solid phase
extraction (SPE). The SPE media consisted of 50 mg Waters Oasis hydrophilic-lipophilic
balance (HLB) in cartridges pretreated with 10 mL of methanol, followed by 10 mL of Milli-Q
water. Cartridges were eluted with 12 mL of methanol, dried under a gentle nitrogen stream, and
re-suspended in 1 mL of Milli-Q water prior to analysis via HPLC-MS-MS. 90 to 120%
recoveries of analytes from autoclaved biomat samples were achieved Figure 4.4.
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Table 4.1: Compound-Specific Mass Spectrometry Parameters?

compound precursor fragmentor product collision cell ionization
ion voltage ions (amu) energy | accelerator mode
(amu) (V) (V) V)

1-naphthoxy acetic 201 80 143 15 0 negative®

acid 115 45 5

4-OH-propranolol 276 115 173 15 5 positive®
116 15 5

Atenolol 267 130 145 24 7 positive
190 16

Atenolol-d; 274 130 145 24 7 positive

Carbamazepine 237 120 179 35 7 positive
194 15

Carbamazepine-dso 247 120 204 20 7 positive

Metoprolol 268 130 159 17 7 positive
116 14

Metoprolol-d; 275 130 123 14 7 positive
159 17

Metoprolol-a-OH 284 130 116 15 7 positive
74 15

Metoprolol-a-OH-ds 289 135 121 15 5 positive

Metoprolol acid 268 130 191 17 7 positive
145 25

Metoprolol acid-ds 273 130 196 17 7 positive

Nor propranolol 218 100 155 15 5 positive
127 45

Nor propranolol-d; 255 100 189 12 5 positive

Propranolol 260 98 116 13 7 positive
183 12

Propranolol-d; 267 98 116 13 7 positive

Sulfamethoxazole 254 110 92 25 7 positive
156 10

Sulfamethoxazole-d, 258 110 96 25 7 positive

Trimethoprim 291 140 123 20 7 positive
261 17

Trimethoprim-d3 294 140 123 20 7 positive

2All compounds were analyzed using a drying gas temperature of 350° C, a gas flow of 12 L min’%, a nebulizer
pressure of 60 psi, a sheath gas temperature of 400 ° C, a sheath gas flow of 12 L min™!, and a nozzle voltage of 300
V. bCompounds analyzed by positive ionization used a capillary voltage of 3600 V. “Compounds analyzed by
negative ionization used a capillary voltage of 4500 V.

4.2 .4 Determination of Biotransformation Products

Test compound biotransformation products were identified in microcosms amended
with a relatively high concentration of a single test compound (i.e., 100 mg L1).
Biotransformation products were identified by high performance liquid chromatography-mass
spectrometry (HPLC-MS) in full scan mode from 100-400 amu, in both positive and negative
ionization modes. MS conditions were the same as those used for analytes (Table 4.1).
Biotransformation products were verified with commercial analytical standards. Methods
were subsequently developed for quantification of biotransformation products in microcosms
(Table 4.1).
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4.2.5 Photolysis Rate Prediction

The contribution of photolysis to the attenuation of test compounds in the pilot-scale
system was assessed by extending a previously developed model for photolysis in shallow, open-
water wetlands to include trimethoprim and metoprolol (Chapter 3). Briefly, pseudo first-order
photolysis rates were calculated for direct and indirect photolysis using solar irradiance values
predicted by the Simple Model of the Atmospheric Radiative Transfer of Sunshine (SMARTS)
(Gueymard, 2003). Indirect photolysis rates were calculated using predicted steady-state
concentrations of hydroxyl radical, carbonate radical, singlet oxygen, and triplet dissolved
organic matter, in conjunction with second-order reaction rates of these reactive intermediates
with test compounds. Average measured water quality parameters at the middle of the
Discovery Bay open-water wetland used for the estimates were as follows: [NO3]=10 mg L3-N
in the summer and 15 mg L™*-N during the remainder of the year; pH=9; [DOC]=8 mg L™*-C; and
[HCO31+[COz*]=60 mg L*-C.

4.2.6 Correcting for Evaporation in the Pilot-Scale Cell

The effect of evaporation in the open-water cell was estimated by including an extra term
in the calculation of the first-order rate constant, k, according to:

In(FS) = —kt (4.2)
where C and C, are the concentration at time t and the initial concentration, respectively, and F is
the fraction of water remaining after evaporation (F<1). This equation may be rearranged to
give:

In(£
k=—® P& _ww 3)

t t t

where Kobs is the pseudo first-order removal rate of a compound observed in the wetland. Thus,

Kops = k + (4.4)

where lrlEF)<O and corrects for evaporation. Approximately 10% evaporation (i.e., F=0.9),
quantified using increases in chloride concentrations, was typical during summer between the

cell inlet and outlet (Figure 4.5). Based on a residence time of 1.5 days, lrl?:):-0.07 dl.
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Figure 4.5: Average CI" concentrations throughout pilot-scale open-water cell during summer
2013. Error bars represent + standard error of the mean.

72



4.2.7 Microbial Community Characterization

Pilot-scale wetland biomat samples (250 uL) for fluorescent microscopy were washed
twice by centrifuging and re-suspending in phosphate buffer solution, before incubating in
SYBR Green (stock solution diluted by a factor of 25,000) for 1.5 hours. Fluorescent images
were generated using exciting/emission wavelengths of 473/490-540 nm for SYBR Green and
645/664 nm for autofluorescence of chloroplasts (Olympus Fluoview FVV10i). Scanning electron
microscopy (Hitachi TM-1000 Tabletop Microscope) was conducted on fresh biomass samples
dried overnight on foil and placed on carbon tape.

Approximately 1 g of biomass was sampled from dark microcosms and microcosms
illuminated with visible light (635 nm) at the beginning, middle, and end of biotransformation
microcosm experiments. Samples were shipped overnight on dry ice and stored at -80° C prior
to extraction. DNA was extracted from 0.25g of sample using the Mo Bio PowerBiofilm DNA
Isolation Kit per manufacturer’s protocol. Extracted DNA was amplified in triplicate 25 ul
reactions without Illumina adaptors or primers pads on a Roche LightCycler 48011. A portion of
the 16S rRNA gene was amplified using Phusion Master Mix (New England BioLabs, Inc), 3%
final volume DMSO, 0.4x final concentration SYBR Green, 200nM 515F
(5’GTGYCAGCMGCCGCGGTAA 3’) (Hamady et al., 2008), and 12bp Golay barcoded 806R
(5’ XXXXXXXXXXXXCCGGACTACHVGGGTWTCTAAT 3°) (Caporaso et al., 2012). The
amplification program was: 94°C 3 min; 94°C 45 sec , 50°C 10 sec, 72°C 90 sec. The program
was stopped after all samples had amplified. Triplicates were pooled and purified using
Agencourt AMPure XP and quantified using a Life Sciences Qubit 2.0 Flurometer. Normalized
amplicons were sequenced on the lllumina MiSeq platform using NEBNext Ultra DNA Library
Prep Kit and a MiSeq Reagent Kits v2 2x250 500 cycle Kit.

The sets of 250 bp sequences were stitched together using ea-utils (Aronesty, 2011) fastq-
join with a minimum base pair overlap of 100. Stitched sequences were reverse complimented
with the fastx toolkit (Pearson et al., 1997) in order to account for sequences that were sequenced
in the reverse direction. The resulting sequences were processed in QIIME 1.7 dev (Caporaso et
al., 2010) starting with sl_prep_fastq.py to create a barcode .fastq file. The resulting sequence
and barcode file were demultiplexed using split_libraries_fastq.py with default parameters,
except for “--barcode 127, to negate error correcting of barcodes, as any sequences with errors
would have been filtered out by sl_prep_fastq.py. Otus were piked de novo using Usearch 6.1
(Edgar, 2010) and chimeras were filtered out using the Greengenes gold database (DeSantis et
al., 2006). Representative sequences were aligned using PyNAST (Caporaso et al., 2009) and
greengenes 13_5 aligned reference database. Taxonomy was assigned using the RDP classifier
and greengenes 13_5 97 otu taxonomy database and the otu table was then rarified to 5050
sequences before further analysis. All phyla with less than 1% relative abundance were filtered
out.

DNA for the 23S rRNA gene algal clone library was extracted in the same way as the
microcosm samples and amplified with p23SrV_f1 and p23SrV_rl, GGA CAG AAA GAC CCT
ATG AA, and TCA GCC TGT TAT CCC TAG AG, respectively, with the published
amplification protocol (Sherwood and Presting, 2007). Amplicon was purified via gel
electrophoresis using the E. Z. N. A. gel extraction kit (Omega). Purified amplicon was then
transformed into electro-competent E. coli cells using the TOPO TA Cloning kit (Invitrogen) per
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manufacture’s instruction. Individual clones were Sanger sequenced by Wyzer Biosciences, Inc
(Cambridge, MA). Sequences were analyzed in Geneious v6.0 and trimmed using default
quality settings. After trimming any sequences with <90% high quality base scores were
excluded from alignment. High quality sequences (16 out of 23) were aligned using the multiple
alignment tool with default settings.

4.2.8 Analytical Methods

DOC was measured using a Shimadzu TOC-V analyzer. NOs", CI', and SO4% were
analyzed using a Dionex DX-120 ion chromatograph (American Public Health Association,
1995). The UV/Vis spectra of wetland water samples were measured using a PerkinElmer
Lambda 35 spectrometer.

Trace organic compounds were separated by an Agilent 1200 HPLC using a
2.1 mm x 30 mm Zorbax SB-C18 3.5 pm column, eluted with 0.5 mL min* acetonitrile and
0.1% acetic acid in water with the following gradient: 0 minutes, 5% acetonitrile; 5.5 minutes
55% acetonitrile; 6 minutes, 100% acetonitrile; 9 minutes, 100% acetonitrile; 10 minutes, 5%
acetonitrile. Compounds were quantified in multiple reaction monitoring (MRM) mode using
isotope dilution with an Agilent 6460 MS-MS using electrospray ionization (ESI) with a gas
temperature of 350°C, a sheath gas temperature of 400°C, a gas flow rate of 11 L/min at 50 psi,
and a capillary voltage of 3600 V. Compound-specific parameters are given in Table 4.1.

4.3 Results and Discussion
4.3.1 Characterization of Wetland Biomat

Redox conditions in the wetland varied with depth, ranging from super-saturated with
oxygen in the water column during the daytime and approximately 1 cm into the wetland biomat
(Figure 4.6), to nitrate-reducing within the biomat, and sulfate-reducing at the bottom of the
biomat, based on measurements of nitrate and sulfate (Chapter 5). At night, microbial
respiration lowered dissolved oxygen concentrations in the water column to saturation or to as
low as 5 mg L, depending on the season.

The microbial community within the biomat consisted of an interspersed assemblage of
photosynthetic and heterotrophic microorganisms dominated by a single species of diatom, as
evidenced by scanning electron microscopy (Figure 4.7 A&B and Figure 4.8) and similarity of
high-quality 23S clone library sequences (i.e., 98.8% similar when aligned after trimming). The
diatom species was tentatively identified as Staurosira construens var. venter based on valve
morphology (Hamilton et al., 1992) and 16S rRNA gene sequence analysis (as Stramenopiles).
Illumina 16S rRNA gene sequencing indicated that in addition to diatoms (30+3%), the
associated sequences were dominated by Proteobacteria (37+4%; primarily of the  and y
superclasses), Bacteroidetes (7+1%), and Verrucomicrobia (6+1%) (Figure 4.7.1 C). Remaining
phyla accounted for less than 15% of the total community.
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Figure 4.8: Scanning electron microscopy of wetland biomat at 180X (top), 600X (middle), and
1200X (bottom) magnification.
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4.3.2 Biotransformation in Microcosms

Microcosms were incubated under visible light to simulate daytime conditions (i.e.,
pH>9, super-saturated with dissolved oxygen) or in the dark to simulate nighttime conditions
(i.e., pH=8.5, dissolved oxygen below saturation; see Figure 4.6 for dissolved oxygen profiles).
As evidenced by 16S-based phylogenic analysis, microbial community profiles did not change
significantly during the course of the experiments, suggesting that the microbes present remained
representative of the assemblage in the pilot-scale system (Figure 4.7C). Test compound
transformation rates in illuminated microcosms without added biomass were negligible (triangles
in Figure 4.9), demonstrating that illumination with red light did not cause transformation of test
compounds via photolysis, and that biotransformation in the aqueous phase was negligible.

Sorption to microcosm biomass was important to the removal of propranolol from the
aqueous phase, consistent with its relatively high hydrophobicity (log Kow=3.4) (Betageri and
Rogers, 1987; Balon et al., 1999). Overall, sorption accounted for up to 60% of the removal of
propranolol from the dissolved phase (Figure 4.9). The moderately hydrophobic test compounds
carbamazepine (log Kow=2.5) (SRC, 2012) and metoprolol (log Kow=1.9-2.3) (Betageri and
Rogers, 1987; SRC, 2012) were sorbed to microcosm biomass to a lesser extent. Sorption
accounted for up to 100% of the observed removal of carbamazepine and 20% of the total
removal of metoprolol. Sorption of carbamazepine has previously been observed in subsurface
flow wetlands, but did not represent a permanent sink after the solids equilibrated with the
wetland water (Matamoros et al., 2008a). Sorption accounted for less than 5% of the observed
removal of the relatively hydrophilic test compounds atenolol (log Kow=0.2-0.5) (Balon et al.,
1999; SRC, 2012), trimethoprim (log Kow=0. 9) (SRC, 2012), and sulfamethoxazole (log
Kow=0.9) (SRC, 2012).

Based on the results of the microcosm experiments, test compounds could be categorized
as undergoing rapid biotransformation (i.e., the B-blockers atenolol, metoprolol, and propranolol;
t12<1 day), moderately amenable to biotransformation (i.e., trimethoprim and sulfamethoxazole;
t10=2-20 days), or recalcitrant (i.e., carbamazepine; t12>40 days). This classification agreed well
with biotransformation rates previously measured in microcosms inoculated with activated
sludge from wastewater treatment plants, but the overall rates differed (Table 4.2). For the
B-blockers, biotransformation rates in the dark microcosms were approximately an order of
magnitude slower than those observed in microcosms inoculated with activated sludge. The
lower rates may have been partially attributable to enhanced mass transfer rates of oxygen and
trace organic compounds between the aqueous and sludge phases in well-mixed activated sludge
microcosms. [-blocker biotransformation rates in microcosms inoculated with biomass from
open-water wetlands incubated in the dark increased by approximately a factor of 5 when the
biomass was completely mixed into the water column, compared to microcosms that were gently
agitated from above (data not shown).
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Metoprolol and propranolol biotransformation rates increased by approximately 4 to 8
times in illuminated microcosms compared to dark microcosms. This enhancement may have
been attributable to higher concentrations of dissolved oxygen within the biomass: dissolved
oxygen concentrations in the irradiated microcosms remained above 15 mg L in the top 1 cm of
the biomat, compared to dissolved oxygen concentrations ranging from about 5 mg L™ at the
water-biomat interface to less than 1 mg L™ deeper than 1 cm in the biomat in the dark
microcosms (Figure 4.9 and Table 4.2; see Figure 4.6 for dissolved oxygen profiles). Previous
studies have shown that the rates of oxidation of some trace organic compounds were enhanced
under aerobic conditions in wetlands (Hijosa-Valsero et al., 2010b) and in activated sludge
wastewater treatment systems (Pl6sz et al., 2010; Xue et al., 2010). For example,
biotransformation of metoprolol was up to 5 times faster under aerobic conditions relative to
anoxic conditions in full-scale wastewater treatment plants (i.e., Kaerobic=1.2 d* versus
Kanoxic=0.24 d1) (Xue et al., 2010). Biotransformation rates may also have increased upon
illumination with visible light due to enhanced microbial activity caused by the release of
organic compounds by autotrophic diatoms during photosynthesis (Cole, 1982), although these
effects could not be separated from the effects of dissolved oxygen production by the diatoms.

In contrast, rates of biotransformation of trimethoprim and sulfamethoxazole were more
than 5 and 2 times faster, respectively, in the dark microcosms, relative to the illuminated
microcosms. This difference in biotransformation rates may have been due to a community
metabolic shift caused by anoxic conditions or induced by the absence of primary productivity
(Sharp et al., 2007; Patrauchan et al., 2012). Enhanced rates of biotransformation of
trimethoprim have been reported at dissolved oxygen conditions below 0.5 mg L™ in microcosms
inoculated with activated sludge (Xue et al., 2010). Furthermore, the biotransformation of
trimethoprim has been suggested to involve certain heterotrophic microorganisms with minimal
oxygenase activity, which may be inhibited by high dissolved oxygen concentrations (Khunjar et
al., 2011).

These results highlight the potential importance of the terminal electron acceptor to rates
of transformation of trace organic contaminants. Open-water wetlands exhibit a diurnal
fluctuation in redox conditions as well as variations through the vertical profile of the biomat
(i.e., oxygen-reducing at the water-biomat interface to sulfate-reducing at the bottom of the
biomat), enabling the biotransformation of compounds across terminal electron acceptor
gradients. For the removal of compounds that are mainly transformed under anoxic conditions,
the use of wetlands with larger anoxic zones (e.g., wetlands with dense macrophytes or
subsurface flow wetlands) may be a more effective treatment strategy.
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4.3.3 Biotransformation Products

Biotransformation products of the B-blockers atenolol, metoprolol, and propranolol were
detected in the microcosms. Atenolol was hydrolyzed at the amide group nearly
stoichiometrically to form metoprolol acid, a transformation product that has previously been
observed in microcosms inoculated with activated sludge (Figure 4.10) (Radjenovic et al., 2008;
Kern et al., 2010). Metoprolol acid did not undergo further biotransformation. Metoprolol acid
was also formed from metoprolol in microcosms, where it accounted for approximately 25% of
the metoprolol transformed, which was comparable to the yield observed in microcosms
inoculated with activated sludge (Kern et al., 2010). In addition, oxidation of metoprolol
produced low concentrations (i.e., <0.1 pg L) of a-hydroxy-metoprolol, a known human
metabolite (Fang et al., 2004). Metoprolol acid is less toxic to mammals than metoprolol (Borg
et al., 1975). However, its high stability may warrant further investigation.

The propranolol oxidation product and human metabolite, 4-hydroxy-propranolol
(Natecz-Jawecki et al., 2008), was detected in microcosms amended with high concentrations of
propranolol. 4-hydroxy-propranolol accounted for up to 1% of the propranolol transformed. No
biotransformation products were detected in microcosms with high concentrations of
trimethoprim, sulfamethoxazole, or carbamazepine (data not shown).

Table 4.3: Average Aqueous Test Compound Concentrations of Trace Organic Compounds in
the Pilot-Scale Open-Water Cell

Compound Concentration (ng L1)2

Inlet Point 1 Middle Point 3 Outlet
Atenolol 100+10 31+4 1943 7.7£1.6 3.3+0.9
Metoprolol 58+3 38+3 30+3 20+3 8.6+0.9
Propranolol 4142 23+3 16+2 10+1 4.5+0.6
Trimethoprim 8.4+0.9 7.84£0.8 6.3£0.3 5.1+0.7 4.7+0.7
Sulfamethoxazole 810+20 750+20 730110 750+10 710+20
Carbamazepine 110+10 110+10 120+10 110+10 110410

aAverage * standard error of the mean of 10 samples measured at each sample location in the wetland during the
week of August, 201" 2012. See Figure 4.11 for plot of data.
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Figure 4.10: Formation of the biotransformation product metoprolol acid (m) in dark (left) and
illuminated (635 nm visible light; right) microcosms amended with either atenolol (top; #) or
metoprolol (bottom; @). The sum of the concentrations of the parent products and the
transformation products are also shown (A ). Sorption accounted for loss of less than 1% of the
initial mass of atenolol and from 5% (illuminated microcosm) to 20% (dark microcosm) of the
initial concentration of metoprolol.
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4.3.4 Compound Attenuation in the Pilot-Scale Open-Water Wetland

Wetland influent concentrations of test compounds typically ranged from 40 to
100 ng Lt for the B-blockers, 8 to 15 ng L for trimethoprim, 800 to 1000 ng L™ for
sulfamethoxazole, and 90 to 120 ng L™ for carbamazepine (Table 4.3). Metoprolol acid, the
biotransformation product of atenolol and metoprolol, was typically present at influent
concentrations that were about an order of magnitude higher than atenolol (i.e., 300-1000 ng L™?).
This precluded the observation of the transformation of atenolol to metoprolol acid within the
wetland cell. Influent test compound concentrations typically varied by less than 30% based on
hourly samples, and removal through the wetland cell typically followed first-order kinetics
(r>>0.8), except for carbamazepine, which did not exhibit significant removal (see Figure 4.11).

Summer and fall test compound attenuation rate constants in the pilot-scale open-water
wetland ranged from greater than 1.4 d* for the B-blockers to less than 0.5 d™* for trimethoprim
and sulfamethoxazole, which corresponded to half-lives of 0.5 to 1.5 days (Figure 4.12). These
attenuation rates were comparable to rates measured in activated sludge systems, with the
exception of atenolol, which was removed at faster rates in treatment plants (Table 4.2).
Attenuation rates of all test compounds except carbamazepine were 10 to 100 times faster in the
open-water cell than rates previously measured in vegetated surface flow wetlands and surface
waters (Table 4.2). Carbamazepine behaved conservatively in the open-water cell, in agreement
with previous research showing the compound’s stability with respect to photolysis (Chapter 3)
and its resistance to biotransformation in activated sludge and surface waters (Tixier et al., 2003;
Wick et al., 2009).

Test compound attenuation rate constants decreased by more than 50% for all test
compounds during the winter months. Lower attenuation rates of compounds amenable to
biotransformation were likely due to reduced microbial activity at colder temperatures.
Corrections for the temperature dependence of biotransformation rates of trace organic
contaminants were estimated using a modified form of the Arrhenius equation:

kp = kT,ref e (Tret=T) (4.5)

where kt and kr, ref are the biotransformation rates at a given temperature (T) and at a reference
temperature (Trer), respectively, and « is the temperature coefficient, which is typically between
0.03 and 0.09 K for trace organic contaminants (Clara et al., 2005; Li et al., 2005; Joss et al.,
2006; Wick et al., 2009). Using these values for «, trace organic biotransformation rates should
have decreased by approximately 40-80% during winter (i.e., winter temperatures of 9+2.5° C
versus summer temperatures of 22+5° C; see Table 4.4), which agreed well with reductions in
rate constants observed in the field. Similarly, attenuation rates of compounds amenable to
photolysis should have been reduced by up to approximately 75% during the winter due to lower
sunlight intensity and shorter days (Chapter 3).

84



Inlet Middle Outlet

o ;i -
o
Y - ¢
§ ; T
i
¢
-1
. ¢ atenolol ¢
OO
g metoprolol
f_g - A propranolol
® trimethoprim
© sulfamethoxazole
carbamazepine
-3
0 0.5 1 1.5

residence time (days)

Figure 4.11: Removal of test compounds in pilot-scale open-water wetland during August 2012.
Error bars represent + standard error of the mean (n=10).
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Figure 4.12: Seasonal pseudo first-order attenuation rates of test compounds in the pilot-scale
open-water cell. Error bars represent + standard error of the mean for measurements made
approximately monthly over a 3 year period (n=5-12). Negative removal rates are due to water
loss via evaporation.
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Table 4.4: Wetland Temperatures®

Month Average Temperature (°C)
January 8.6x0.4
February 9.8+0.3
March 11.9+0.3
April 14.4+1.0
May 16.8+0.7
June 20.0+0.3
July 22.0+0.2
August 22.3+0.4
September 21.7£0.5
October 17.5+0.3
November 12.4+0.5
December 9.3£0.3

a Average monthly temperatures reported in Livermore, CA from 2007-2012 + standard error of the mean (Metar,
2013).

4.3.5 Evaluation of Attenuation Mechanisms in the Pilot-Scale Open-Water Wetland

For non-volatile trace organic compounds, potential attenuation mechanisms in surface-
flow open-water wetlands included sorption to the wetland biomat, biotransformation, and
photolysis. Each of these mechanisms was evaluated to inform open-water wetland design and
to predict the area necessary to removal of trace organic contaminants.

Sorption. The concentrations of test compounds sorbed to the biomat in the open-water
cell were less than about 10 pg kg™, except for propranolol, which was detected at concentrations
as high as approximately 70 pg kg™ (Table 4.5). These concentrations were 10 to 100 times
lower than those measured in activated sludge, except for propranolol, which was observed at
similar concentrations in activated sludge (Radjenovi¢ et al., 2009). Sorbed concentrations
corresponded to a mass of approximately 10 mg ha™* for atenolol and up to approximately 1000
mg ha* for propranolol. Over the 3-year period in which the pilot-scale system operated, this
corresponded to less than 2% of the mass of propranolol removed and less than 0.1% of the mass
of the other test compounds, indicating that sorption is not a significant removal mechanism for
the test compounds if it is not coupled to biotransformation.
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Sorption was not an important removal mechanism because aqueous test compound
concentrations were limited by equilibrium partitioning with the biomat phase. In other words,
measured aqueous test compound concentrations were similar to aqueous concentrations
predicted by organic carbon-normalized biomat concentrations and log Koc values measured
with autoclaved wetland biomass (i.e., measured values were within a factor of 2 of predicted
values, except for propranolol which was present at concentrations up to 7 times higher in the
biomat phase than predicted; Tables 4.3 and 4.5). Thus, sorption in open-water wetlands may
serve as a short-term sink for a pulse of elevated concentrations of trace organic contaminants,
which may occur diurnally (Nelson et al., 2011). However, accumulation of fresh biomass was
not rapid enough for appreciable attenuation of the test compounds studied.

Photolysis. Photolysis accounted for most of the removal of the photo-labile compounds
propranolol and sulfamethoxazole in the pilot-scale wetland during the summer (Figure 4.13).
Photolysis has also been suggested to be the dominant removal mechanism for these compounds
in lake and river systems (Alder et al., 2010; Bonvin et al., 2011). In contrast, photolysis
accounted for only about 10% of the removal of atenolol and metoprolol and less than 40% of
the removal of trimethoprim.

The photolysis model over-predicted the removal rate of carbamazepine by about 0.1 d?,
which may be explained by a number of factors. Evaporation in the pilot-scale system resulted
in loss of up to 10% of water entering the wetland in summer, as evidenced by increases in
chloride concentrations through the wetland (Figure 4.5). Correcting for a water loss of this
magnitude yielded a carbamazepine transformation rate of 0.07+0.03 d* during summer (i.e.,
evaporation accounted for approximately 70% of the difference between the photolysis model
and field measurements for carbamazepine). Photolysis in the field-scale system may also have
been reduced slightly by shading of water passing through the diffuse biomat layer at the wetland
bottom, which would have reduced photolysis rates by about 10%. Light screening by floating
vegetation and detritus may also have reduced photolysis rates in the pilot-scale wetland as
compared to model predictions.

After adjusting photolysis rates for evaporation and the flow of water through the biomat,
photolysis accounted for only a small portion of the removal of atenolol (<5%), metoprolol
(<5%), and trimethoprim (<20%) in the pilot-scale system (Figure 4.14). Thus, photolysis will
only be an important removal mechanism for relatively photo-labile compounds in open-water
wetlands (i.e., those compounds with photolysis rates >0.25 d1), unless the influent wastewater
has very high concentrations of NOs™ (e.g., >30 mg L), or low concentrations of DOC
(e.g., <2 mg C L1) for compounds that are transformed by direct photolysis (Chapter 3).
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Figure 4.13: Comparison of measured or predicted removal rate constants for test compounds to
removal rate constants observed in the Discovery Bay pilot-scale open-water cell during
summer. Microcosm removal rates are the average of illuminated and dark microcosms. Error
bars represent + one standard deviation for photolysis model and microcosms and + standard

error of the mean for pilot-scale wetland.
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Table 4.5: Sorbed Test Compound Concentrations in Open-Water Wetland?

Compound Concentration sorbed Concentration sorbed Predicted agueous
(ng kgt) (ug (kg organic carbon)?)P concentration (ng L1)°

Inlet | Middle | Outlet | Inlet | Middle | Outlet Inlet Middle | Outlet
Atenolol 0.240.1 | 0.6+0.1 | 0.5+0.0 | 2.9+1.0 | 1.9+0.3 | 1.6%0.1 22+8 1243 12+1
Metoprolol 1.940.4 | 11.3+09 | 6.620.7 | 3416 3743 24+3 85+40 83+11 59+10
Propranolol 1446 69+13 38+12 | 21040 | 230450 | 140450 57+12 52+13 3714
Trimethoprim 0.240.2 | 1.4#1.3 | 05#0.1 | 5.1£3.5 | 4.7x44 | 1.820.3 2417 20£21 | 8.5x1.5
Sulfamethoxazole | 1.8+0.9 | 2.2+0.8 | 5.7#1.2 | 25#3 7.4%25 205 1220+190 | 620+140 | 980+250
Carbamazepine 0.7+0.3 | 3.0£1.0 | 23+0.1 | 101 103 8.1+0.7 130420 130+40 | 100+10

2 Average * one standard deviation. "Normalized based on percent organic carbon contents: inlet 7.2+3.7% organic
carbon; inlet 30.2+0.2% organic carbon; inlet 28.3+1.3% organic carbon. ®Aqueous concentration predicted based
on organic carbon-normalized concentrations and log Ko values measured in autoclaved test tubes containing
wetland biomass (see Figure 4.4) according t0: Cag=Csorb/Koc.

Biotransformation. To evaluate the contribution of biotransformation to test compound
attenuation in the pilot-scale open-water cell, biotransformation rates measured in dark and
illuminated microcosms were averaged to approximate the effects of diurnal fluctuations on
biotransformation rates. Biotransformation rates measured in bench-scale microcosms accounted
for approximately 50% of the average removal rates measured in the pilot-scale wetland for
atenolol, metoprolol, and trimethoprim (Figure 4.13; Table 4.2). Biotransformation accounted
for approximately 40% of the removal of propranolol and only 10% of the removal of
sulfamethoxazole.

Although conditions representative of the pilot-scale system were used to design the
microcosms, it is difficult to extrapolate biotransformation rates measured under laboratory
conditions to field conditions. Variations in water temperature, biomat thickness, and redox
conditions not fully captured in the microcosms affect biotransformation rates. For example,
daytime water temperatures in excess of 30°C were common during summer months at the field
site and would have likely increased biotransformation rates relative to rates measured in
laboratory microcosms. Nonetheless, results from the microcosms suggested that
biotransformation was the dominant attenuation mechanism for atenolol, metoprolol, and
trimethoprim in the pilot-scale system. Thus, the combination of biotransformation and
photolysis accounted for the majority of the observed removal of the test compounds during the
summer (Figure 4.13).
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Figure 4.14: Comparison of measured or predicted removal rates of test compounds to removal
rates observed in the Discovery Bay pilot-scale open-water wetland during summer, corrected
for evaporation. Photolysis rates were corrected assuming 25% of the hydraulic residence time
was spent in the biomat and that 7% of the water evaporated per day (see Figure 4.5). Error bars
represent = one standard deviation for photolysis model and microcosms and * standard error of

the mean for pilot-scale wetland.
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4.3.6 Application to Full-Scale Wetland Design

The wetland area necessary to achieve 90% removal of a contaminant from 1 MGD or
1 MLD of wastewater effluent (A3,) is a useful metric to evaluate the feasibility of employing
open-water cells to remove trace organic compounds (Chapter 3). A one order of magnitude
decrease in concentration is a useful metric because it will result in concentrations below the
observable effects level for most aquatic organisms (Huggett et al., 2002). Furthermore, many
surface waters around the world already consist of 10% wastewater effluent (National Research
Council, 2012). Test compound transformation rates were estimated throughout the year using
predicted solar irradiances to estimate kpnoto Values (Chapter 3) and the Arrhenius equation to
estimate Kpio values (Equation 4.5; a mean value of =0.06 K™ was used; see Table 4.4 for
average wetland temperatures).

Comparison of A}, values of open-water wetlands in temperate climates (i.e., water
temperatures of 9-23°C) at 40 N” latitude to existing full-scale wetland systems suggested that
test compounds most amenable to biotransformation (i.e., atenolol, metoprolol, propranolol, and
trimethoprim) could be removed efficiently in wetlands of a size typically employed for
denitrification of wastewater effluent throughout the entire year (Figure 4.15). Open-water
wetlands of this size would also result in 90% reductions in the concentration of
sulfamethoxazole through most of the year. Of the compounds studied, only carbamazepine
would require open-water wetland cells larger than 20 ha MGD™* (~5 ha MLD™). Thus, the
combination of photolysis and biotransformation mechanisms in open-water wetlands allows for
the effective removal of a broader range of trace organic contaminants than can be achieved
solely by conventional wastewater treatment plants or vegetated wetlands (i.e., removal of both
photo-labile compounds, such as sulfamethoxazole, and compounds amenable to
biotransformation, such as atenolol and metoprolol). However, in regions with colder climates,
open-water wetland cells would freeze during the winter, limiting their applicability.

The primary factors to consider for the operation and maintenance of full-scale open-
water wetlands cells include water depth and the thickness of the biomat on the wetland bottom.
Open-water wetland depths of 20-30 cm will maximize photolysis rates (Chapter 3), while
ensuring that adequate sunlight reaches the water-biomat interface to support photosynthesis.
Pathogen inactivation will also be maximized in open-water cells shallower than 30 cm (Nguyen
etal., 2014). At the pilot-scale facility, the biomat accumulated at a rate of approximately
1 cm yr! (Chapter 5), which will take up half of the volume of the cell after 10 years of
operation, reducing the efficacy of photolysis. To maintain efficient photolysis rates and prevent
clogging, sedimentary detritus will need to be removed periodically (e.g., every 5-10 years).
This could potentially be accomplished by draining the wetland and removing the dried detritus
mechanically, using a pump to suck out the diffuse biomat, or by temporarily increasing flow
rates to wash the diffuse biomat out of the system. Removed waste material could be land
applied or digested anaerobically. Wetland photolysis rates will also be reduced by the growth
of floating vegetation, such as duckweed (Lemna sp.) (Chapter 3). Floating vegetation growth
may be prevented by keeping hydraulic residence times low enough to ensure that it is washed
out (i.e., less than 3 days) (EPA, 2000a), as well as by periodically flushing the wetland with
high flows.
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Influent water quality may also affect trace organic contaminant attenuation in open-
water wetlands. In this study, fully nitrified influent was used to ensure survival of mosquitofish
(Gambusia), which are needed to control mosquito larvae (Horne and Fleming-Singer, 2005).
Influent containing ammonium may affect both the growth of the biomat and the microbial
community within the biomat, resulting in changes in trace organic contaminant transformation
rates. For example, ammonium removal in wastewater treatment plants is often associated with
faster removal of certain trace organic contaminants (Helbling et al., 2012). Photolysis rates are
also affected by influent water quality, due to differences in nitrate concentration, pH, and DOC
concentration (Chapter 3).

Removing the open-water cell biomat periodically would increase photolysis rates of
trace organic contaminants because more of the water column would be illuminated (see
Photolysis section above). Conversely, biotransformation rates of trace organic contaminants
would be reduced due to the reduced contact between the water and the biomat.
Biotransformation of compounds that are preferentially transformed in anaerobic zones, such as
trimethoprim and sulfamethoxazole, may be especially affected by biomat removal due to a
reduced anaerobic zone size. Attenuation of these compounds may be more effective in
anaerobic wetland cells (e.g., vegetated cells or subsurface wetland cells) used in series with oxic
open-water cells, although further research is necessary to assess the efficiency of different
wetland configurations.
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Figure 4.15: Area predicted to provide 90% removal of contaminants from 1 MGD (left axis) or
1 MLD (right axis) of wastewater effluent in open-water treatment cells (Al,) via
biotransformation and photolysis throughout the year. Biotransformation rates were calculated
using Equation 4.5 assuming water temperatures ranging from about 9° C in the winter to 23° C
in the summer (Table 4.4). Dashed lines show the area per flow rate of existing full-scale
wetland systems (Orange County Water District, 2008; Florida Department of Environmental
Protection, 2012). Wetland depth=30 cm, pH=9, [NO3]=20 mg-N L, [DOC]=8 mg-C L%,
[HCO3]+[CO3s*]=60 mg L*-C.
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CHAPTER 5. Nitrogen Removal in Shallow, Open-Water
Treatment Wetlands

Reprinted with permission from Jasper, J.T.; Jones, Z.L.; Sharp, J.0O.; Sedlak, D.L. Nitrogen
removal in shallow, open-water unit process treatment wetlands. Environ. Sci. Technol. 2014 (in
review).

© 2014 American Chemical Society.
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5.1 Introduction

The discharge of effluent from nitrifying wastewater treatment plants (Carey and
Migliaccio, 2009) and agricultural runoff (Spalding and Exner, 1993) result in nitrate (NO3")
pollution of surface and ground waters. To protect public health the US Environmental
Protection Agency and the World Health Organization have established maximum contaminant
levels of 10 mg L2-N (0.7 mM) for drinking water (Pontius, 1993; Chilton, 1996). NOs" also
contributes to the eutrophication of surface waters, in some cases leading to large-scale hypoxia
(Diaz, 1995).

Mechanical systems are capable of removing NOs™ from municipal wastewater, but these
systems have high capital costs, and may require energy and substrate inputs (Metcalf & Eddy,
2003). Treatment wetlands offer a low-cost alternative for NO3™ removal, in addition to
removing a range of other contaminants (e.g., metals, pathogens, and trace organic contaminants)
(Kadlec and Wallace, 2009). Wetlands are also valued by communities because they provide
wildlife habitat and recreational opportunities (Fleming-Singer and Horne, 2006). However,
wetland treatment efficiency is often hindered by inconsistent or incomplete removal of
contaminants, as well as hydraulic short-circuiting via preferential flow paths. Designing
wetlands as a series of unit-process cells optimized to treat specific contaminants (i.e., unit
process wetlands) provides a means of enhancing treatment efficiency while reducing the
potential for short-circuiting by ensuring water is mixed between cells (Chapter 2).

Nitrate removal in vegetated wetlands is predominantly ascribed to bacterial
denitrification, although in wetlands where ammonium (NH4") accumulates from anaerobic
decay of organic matter, anaerobic ammonium oxidation (i.e., anammox) can contribute to NO3z
removal (Zhu et al., 2011). Uptake of NO3 by plants and subsequent accretion as sediments
typically accounts for only a small fraction of total NO3”removal in these systems (Vymazal,
2007).

Wetlands designed for NOs™ removal are typically planted with emergent vegetation to
provide a carbon source and to create conditions where NOs" is the most energetically-favorable
terminal electron acceptor. Mature vegetated wetlands with a layer of leaf litter and fine, porous
sediments typically have higher NO3z™ removal rates than wetlands with only a peat or clay
bottom due to close contact between NOz-containing water and active microbes (Horne, 2000;
Fleming-Singer and Horne, 2002). The microbial community associated with attached algal
communities grown on benthic nets in freshwater aquatic systems also are capable of
denitrification (Ishida et al., 2008).

Shallow (<30 cm), open-water cells designed for photolysis of trace organic contaminants
(Chapter 3) and sunlight inactivation of pathogens (Nguyen et al., 2014; Silverman et al., 2014)
produce a thick (up to 10 cm), porous, diffuse biomat composed of algae (primarily diatoms),
associated heterotrophic microbes, and detritus (Chapter 4). During the daytime, the water
column above the biomat is supersaturated with oxygen due to photosynthesis occurring at the
biomat surface. Diffusion of oxygen into the biomat may therefore limit denitrification near the
water-biomat interface (Risgaard-Petersen et al., 1994). Deeper within the biomat, dissolved
oxygen concentrations quickly drop, providing conditions suitable for denitrification (Chapter 4).
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Shallow, open-water wetlands differ substantially from open-water treatment ponds,
where denitrification rates are typically slower than those observed in vegetated systems
(Kadlec, 2012). In treatment ponds, deep water (e.g., >1 m) often limits the interaction between
nitrate-containing water and anoxic zones where denitrification occurs, due to thermal
stratification. Shallow, open-water wetlands also differ from streams, which usually do not have
thick biomats, due to relatively high water velocities (i.e., much greater than ~0.06 cm s, the
velocity typically employed in shallow, open-water wetlands).

The purpose of this study was to evaluate the potential for using open-water treatment
wetlands to remove NO3™ from municipal wastewater effluent or effluent-dominated streams.
NOz removal rates were quantified over a three-year period in a pilot-scale wetland and
compared with vegetated treatment wetlands. NOs" removal mechanisms, including
denitrification, accretion, and anammox, were assessed via a combination of microcosm
experiments, functional gene abundance characterization, and field monitoring. Results were
used to construct a nutrient mass balance for the pilot-scale cell and to predict wetland areas
necessary to ensure removal of NO3™ from wastewater effluent.

5.2 Materials and Methods
5.2.1 Materials

All reagents were purchased from Fisher Scientific (Fairlawn, NJ) at the highest available
purity. Solutions were prepared using 18 MQ Milli-Q water from a Millipore system.

5.2.2 Pilot-Scale Wetland Monitoring

Ambient concentrations of nitrogen species (NO3z, NO2", NH4*, and dissolved organic
nitrogen), phosphate, total phosphorus, SO4%, and dissolved organic carbon (DOC) were
monitored throughout a pilot-scale (400 m?), shallow (20 cm), open-water wetland cell located in
Discovery Bay, CA—a system that has been described previously (Chapter 4). The cell was
lined with a geotextile fabric to prevent the growth of emergent macrophytes. During the study,
a 2-10 cm layer of algae and diffuse biomat comprised of algae, associated heterotrophic
microbes, and detritus (~1500 kg dry weight) was present on top of the liner. The cell received
nitrified, non-disinfected wastewater effluent from the adjacent municipal wastewater treatment
plant, with a flow rate controlled at 7x107 to 2x10°2 million gallons per day (MGD) (i.e.,
2.6x102 to 7.6x102 ML d* (MLD)). The resulting hydraulic residence time varied from 1+0.1
to 3+£0.3 days.

Aqueous samples were collected at the inlet, outlet, and three intermediate points along
the flow path of the cell throughout the three-year study period. Samples were stored on ice
during transport and were analyzed within 24 hrs. The rate constant for NO3™ removal was
calculated based on the tanks-in-series model (Kadlec and Wallace, 2009):

o _ (3 4 Joy™ (5.1)

where Cout IS the outlet NO3™ concentration, Cin is the inlet NOs™ concentration, K is the areal
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removal rate (m yr?), T is the nominal detention time (yr), h is the water depth (m), and N is the
number of tanks-in-series used to describe the cell hydraulics (6.4 based on Rhodamine-WT
tracer tests) (Chapter 4). Dissolved oxygen and pH values were monitored near the wetland
outlet every 10 minutes.

Biomat samples from the water-biomat interface to the geotextile fabric liner were
collected using an acrylic coring device. Samples were analyzed for organic carbon, nitrogen,
and phosphorus species. Aqueous samples from within the biomat were collected using a 30 mL
pipette. Water was separated from biomat solids by centrifuging at 5000 RPM for 10 minutes.

Reported values represent the mean + the standard error of the mean.

5.2.3 Primary Productivity Calculations

Primary productivity was calculated using dissolved oxygen concentrations measured
near the wetland outlet during 3 days of each season during 2013. Single curve analysis was
used, with the gas transfer coefficient estimated based on dissolved oxygen concentrations
measured before sunrise and after sunset. Respiration was estimated from the observed
consumption of oxygen at night (Odum, 1956). Respiration and primary productivity rates were
calculated as the averages of 3 measurements per season, which were then averaged to provide
annual estimates.

5.2.4 Acetylene Block Microcosms

Denitrification rates were measured using the acetylene-block method in stoppered serum
bottles (160 mL) amended with acetylene (5 mL) to prevent the conversion of N2O to N2 during
microbial denitrification (Groffman et al., 1999). Microcosms containing wetland biomass
(~1.4 g dry weight) and water (~85 mL) under a nitrogen headspace at a ratio representative of
the pilot-scale wetland (~17 g L) and were maintained in the dark at 25+3° C. After addition of
NOs™ (~45 umol), NOs', NH4*, NO2", and N2O were measured over a five-day period.
Denitrification rate constants were calculated from observed first-order NO3™ removal kinetics.
Experiments were conducted in triplicate.

5.2.5 Nutrient Mass Balance

To evaluate the contributions of individual NO3z™ removal mechanisms to overall NOz”
removal, a mass balance was constructed for nitrogen, phosphorus, and carbon. Annually
averaged element concentrations were used for the wetland cell influent and effluent. Outlet
mass loads were corrected for an average annual evaporation rate of 7.3+1.1% (Figure 5.1)
observed between the inlet and outlet of the wetland cell as determined by CI- concentrations.
Element losses due to accretion were based on measurements of the wetland biomat thickness,
made approximately twice annually, in conjunction with the measured elemental composition of
the biomat. Carbon fluxes from the atmosphere were calculated based on primary productivity
and oxic respiration rates, as described above. Losses of N2 and COz gas due to denitrification
were calculated based on denitrification rates measured in microcosms, as described above.
Carbon requirements for denitrification were calculated assuming that carbon contained in
wetland organic matter exhibited a similar composition to that of algae (i.e., C106H2630110N16).
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This assumption was consistent with measurements of the chemical oxygen demand of the
wetland water.

5.2.6 Measurement of Gene Abundances

DNA was extracted from 0.025 g of freeze-dried biomat using Mo Bio PowerBiofilm
DNA Isolation Kit according to the manufacturer’s instructions. Extracted DNA was quantified
on a NanoDrop Lite and diluted by a factor of 10 prior to amplification, resulting in
concentrations ranging from 10-30 ng pL™.

Amplifications for quantitative PCR were performed on a Roche Light Cycler 480 11
using Quanta Biosciences PerfeCTa SYBR Green Super Mix in 25 pl reactions using 2 pl of
template DNA. Primer sequences and PCR conditions for nirS, nirK, hzs, and 16S rRNA genes
can be found in Table 5.1. Each sample was amplified in triplicate with non-template and
negative extraction controls. Standards were generated from amplicons that were purified using
Agencourt AMPure XP magnetic beads and quantified using an Invitrogen Qbit 2.0. No
nonspecific amplicon bands were observed when run on an Agilent Bioanalyzer 2100. Standard
curves were generated from triplicate 1:10 serial dilutions of their pur ified standards. Each
functional gene was normalized by the total number of 16S gene copies.

5.2.7 Analytical Methods

DOC and total dissolved nitrogen were measured using a TOC/TN-V analyzer
(Shimadzu) with 1-um filtered samples. Particulate organic carbon and organic nitrogen content
were measured in unfiltered samples. Chemical oxygen demand was determined using standard
methods (5220 D).(American Public Health Association, 1995) NOs’, CI-, phosphate, and SO4*
were analyzed by ion chromatography (Dionex DX-120). NH4" and NO2" were determined using
1-pm filtered samples by standard methods (4500-NHs C and 4500-NO2" B) (American Public
Health Association, 1995). Dissolved organic nitrogen was calculated as the difference between
total nitrogen and the sum of NO3z", NH4", and NO2". Aqueous phosphate concentrations were
measured using unfiltered water samples by alkaline persulfate digestion (Patton and Kryskalla,
2003), followed by colorimetry (method 4500-P C) (American Public Health Association, 1995).
Dissolved oxygen and pH measurements were collected with a Manta multi-probe (Eureka
Environmental).

Biomat organic content was measured by ashing dried wetland biomass at 550° C
(method 2540 E) (American Public Health Association, 1995). Biomat samples were dried,
ground, sieved (300 um), and sent to the UC Davis Analytical Laboratory for elemental analyses.
Total nitrogen and carbon content were measured by flash combustion coupled to gas
chromatography with thermal conductivity (AOAC, 1997). Organic carbon content was
distinguished from total carbon by acid fumigation (Harris et al., 2001). Total phosphorus and
iron content of the biomat were measured by nitric acid/hydrogen peroxide closed vessel
microwave digestion, followed by coupled plasma atomic emission spectrometry (Sah and
Miller, 1992).
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N20O was separated by gas chromatography (GC; Varian 3800) with a packed column
(Alltech HayeSep Q 80/100 mesh, 6°) held at 50° C, using nitrogen as a carrier gas
(20 mL min). An electron capture detector (ECD) was used for N2O detection.

Table 5.1: QPCR Primers and Thermal Profiles

Primer [Primer] Amplicon Target Thermal

Primer ' - X . Ref.
Name Sequence 5'-3 (nM) Size Gene Profile
GTSAACGTSAA 95°C 10 min, 6
cd3aF 500 touchdown cycles
GGARACSGG [95°C 155,63 58°C  (Throbéck
425 nirS (—1°C per cycle) 30's, etal.,
72°C 30's,] then 35
R3cd GA%T-ITC?TQI-%E\TGS 500 cycles (95°C 15s, 2004)
58°C 30's, 72°C 30 s)
. ATYGGCGGVAY 95°C 10 min, 6
nirk876 GGCGA 500 touchdown cycles
) [95°C 15 s, 63-58°C (Henry et
164 nirkK (~1°C per cycle) 30 s,
nirk 1040 GCCTCGATCAG 500 72°C 30 s,] then 35 al., 2004)
cycles (95°C 15 s,
RTTRTGGTT 58°C 30's, 72°C 30's)
WTYGGKTATCA
hzsA1597F RTATGTAG 400 95°C 3min, 40 cycles  (Harhangi
260 hzs (95°C 30s, 55°C 30s etal.,
AAABGGYGAAT ,72°C305) 2012)
hzsA1857R " CATARTGGC 400
ACTCCTACGGG
EUB338 AGGCAGCAG 1000 95°C 3min, 40 cycles (Fierer et
180 16S (95°C 60's, 53°C30's al., 2005)
ATTACCGCGGC , 72°C609) ;
EUB518 TGCTGG 1000

5.3 Results and Discussion
5.3.1 NOs” Removal Rates

Nitrogen species were monitored throughout the pilot-scale open-water wetland to
determine removal efficiencies. The average inlet NO3™ concentration was 1.48+0.05 mM
throughout the year, which accounted for more than 95% of the nitrogen entering the wetland, as
expected for this nitrifying wastewater treatment plant (Table 5.2). On an annual basis, more
than 60% of the NOs™ entering the wetland was removed (i.e., 18+4 out of 28+3 kmol yr?). As
typically observed in treatment wetlands, NO3z™ removal exhibited first-order kinetics
(r?=0.8-0.99; Figure 5.2) (Kadlec, 2012) and showed a significant seasonal dependence (Stein
and Hook, 2005; Hernandez and Mitsch, 2007). Removal rates ranged from 18+3 m yr* during
winter (~30% removal) to 117+14 m yr! during summer (>95% removal) (Figure 5.3). NOz,
NH.", and organic nitrogen concentrations did not change appreciably in the cell (p>0.1; Figure
5.4). Particulate organic nitrogen concentrations in unfiltered samples did not differ from
organic nitrogen concentrations in filtered samples.
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Figure 5.1: Percent evaporation between inlet and outlet of pilot-scale wetland cell throughout
the year, calculated based on CI concentrations.
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Table 5.2: Typical Open-Water Cell Influent Water Quality Parameters

Parameter Value?

[NOz] (mM) 1.48+0.05
[NO2] (mM) 0.011+0.005
[NH4*] (mM) 0.045+0.023

[Organic N] (mM-N) 0.093+0.025

TOC (mg L-C) 5.9+0.3
[SO4*] (mM) 1.5+0.1
[CIT (mM) 10.1%0.2
[Total P] (mM) 0.122+0.008
pH 8.6+0.2

dAverage + standard error of the mean.

The observed seasonal dependence of NOs™ removal rates was consistent with the effect
of water temperature on denitrification rates, as predicted by the modified Arrhenius equation
(Kadlec, 2012):

k = k,,0(T—20) (5.2)

where 0 is the temperature coefficient, koo is the first-order removal rate at 20° C (m yr?), and T

is the water temperature (°C) (Figure 5.5). The obtained 0 value agreed with data from surface
flow wetlands (i.e., 1.12+0.02 in this study vs. 1.11+0.01 in previous studies) (Kadlec, 2012).

The system-specific parameter koo provided a means of comparing the Discovery Bay
open-water wetland performance with other free-water surface flow constructed wetlands. The
calculated value (k20=59.4+6.2 m yr'!) was higher than over 75% of the rates compiled in a
review of 44 surface flow wetlands (range of 5-168 m yr™; median of 25+8 m yr!) (Kadlec,
2012), demonstrating that the open-water wetland cell provided relatively efficient NOs
removal.

NOz" concentrations dropped significantly from the top to the bottom of the biomat (i.e.,
from 0.5 mM at water-biomat interface to <0.05 mM at the wetland bottom; Figure 5.6),
demonstrating that NO3™ was attenuated in the diffuse biomat layer. Dissolved oxygen
concentrations exhibited a similar profile, ranging from super-saturated in the water column, to
anoxic within the biomat. SO% was also depleted within the biomat (Figure 5.6).
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line represents the best-fit line (r>=0.63; slope=0.116 °C*; y-intercept=4.08).

106



| A 4
=T ¢
o A
I | |
| | |
| | I
| | |
| | I
| | I
| | I
| | | water
g | I | column
S | -
g | 02 Al
€ I |
S | I
g [ |
g — $
= I /
[} | /
= / / X
ot .
///// biomat
- pa o H
=\ NHg™*
\HPO4*" 4
N
— — . v V
1.0 1.5 2.0

Concentration (mM)

Figure 5.6: Typical profile of aqueous species in middle of Discovery Bay open-water pilot
scale wetland, collected on April 2014 at 3:00 PM. Error bars represent + standard error of the

mean (n=3).

107



Outflow

18.5+1.5 ML yr1l
C: 10%2
N: 10£3

P: 2+1

8 cm biomat
(1.2£0.5cm yr)

Primary productivity ~ Aerobic respiration Denitrification
C: 3842 C: 2345 C: 1747
N: 156
Inflow
20+2 ML yr'
- C: 320.3 Accretion
N: 0.4+0.2 0.3+0.1 Mqg vr!
C: 10+1 P: 0.1+0.03 ( 8 )
N: 28+6
Pedatly Biomat (1.8+0.4 Mg)
C: 1942 kmol
N: 2.6%0.3 kmol
P: 0.5+0.1 kmol

Figure 5.7: Organic carbon (C), nitrogen (N), and phosphorus (P) mass balance (average +
standard error of the mean; kmol yr* for fluxes, kmol for biomat) for Discovery Bay open-water
wetland during 2012-2013. Accretion fluxes are based on measured biomat elemental
composition (32+1% organics) and measured accumulation rate. Photosynthesis and aerobic
respiration fluxes are based on diurnal oxygen profiles. Denitrification fluxes calculated using
rates measured in acetylene-block microcosms, corrected and averaged by monthly average
temperatures and Equation 5.2.
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Figure 5.8: Conversion of NO3™ to N2O via partial denitrification in anoxic microcosms amended
with acetylene gas (5 mL; ~10% v/v). Experiment conducted at 22°C. Error bars represent +
one standard deviation (n=3).
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5.3.2 NO3” Removal Mechanisms

Potential NOs" removal mechanisms in the open-water wetland included denitrification,
assimilatory uptake, and anammox (Burgin and Hamilton, 2007). Although NHs" was formed
within the wetland biomat (Figure 5.6), NH4" was not detected in the water column. Therefore,
NH4" most likely contributed only to localized cycling of nitrogen. In other words, NH4"
produced at the wetland bottom was assimilated, converted to nitrogen gas via anammox, or
oxidized to NOg at the biomat-water interface.

To elucidate the contribution of each removal mechanism to the overall loss of NOz", a
mass balance was calculated for nitrogen, phosphorus, and carbon in the wetland cell (Figure
5.7). Changes in element concentrations were accounted for by measured denitrification rates,
calculations of primary productivity and oxic respiration rates, as well as the accumulation rate
and composition of the biomat on the wetland bottom.

Denitrification. In contrast to relatively thin periphyton layers in streams and rivers (i.e.,
<1 cm thick) where photosynthetic oxygen production slows denitrification rates during the
daytime (Risgaard-Petersen et al., 1994), the anoxic conditions necessary for denitrification
existed within much of the thick, diffuse biomat layer of the open-water cell throughout the day
(Figure 5.6).

To verify that denitrification occurred in the wetland biomat, the final step of
denitrification (conversion of N2O to N2) was inhibited in microcosms by introducing acetylene.
Inorganic nitrogen species were measured during 5-day incubations. Denitrification was the
primary loss mechanism of NOgz", with greater than 95% of the added NOgz™ recovered as N.O
(Figure 5.8). Denitrification rates in anoxic microcosms, adjusted to 20°C using Equation 2,
agreed well with rates measured in the pilot-scale system (K20 microcosm=58.7+5.4 m yr?;
K20,pilor=59.4+6.2 m yrt). Annual denitrification rates based on this measured ko value and
average monthly temperatures (Table 4.4) (Metar, 2013) accounted for the NO3™ removed from
the pilot-scale open-water wetland, within uncertainty (83+22%; Figure 5.7). N2O formation in
anoxic microcosms not amended with acetylene accounted for less than 1% of the NOs™ lost and
occurred at rates similar to those previously observed in vegetated constructed wetlands (~7
mmol m2 d in this study, versus -0.1 to 140 mmol m2 d! in previous study) (Sevik et al.,
2006).

Further evidence for the importance of denitrification to NO3™ removal was provided by
the presence of the nitrite reduction genes nirS and nirK near the inlet of the open-water cell
(Figure 5.9). Normalized gene abundances were similar to those previously observed in
vegetated free surface-flow treatment wetlands (Ligi et al., n.d.; Chon et al., 2011). As expected,
the normalized abundance of nirS was higher than that of nirK (0.01-0.02 copies nirS per copy
16S gene copy, versus ~0.005 copies nirK per copy 16S gene copy), because nirS is more widely
distributed among denitrifiers (Braker et al., 1998), and is typically in higher abundance than
nirK in surface waters (Jones and Hallin, 2010).

Denitrification requires an organic carbon substrate at a stoichiometric ratio of
approximately one carbon per nitrate (given an organic carbon source such wastewater-derived
organic matter or algae). At lower carbon-to-nitrate ratios, denitrification may be incomplete
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(U.S. Environmental Protection Agency, 1993). In wetland systems, organic carbon is typically
derived either from influent wastewater or from decaying biomass (i.e., emergent plants and/or
algae).

In the pilot-scale open-water cell, 17+4 kmol yr of organic carbon (with a composition
similar to algae) would have been necessary to denitrify the 15+3 kmol yr NOs™ removed.
Average annual primary productivity estimates, calculated based on dissolved oxygen
measurements (see Figure 5.10 for example dissolved oxygen profiles), were 38+2 kmol yr™.
Furthermore, based on measured oxygen consumption rates, 23+5 kmol yr? of organic carbon
was calculated to be consumed via aerobic respiration. These values were within the range
reported for autotrophic communities in flowing water (Odum, 1956), and the primary
productivity estimate was similar to the highest rates reported in wetlands (i.e., 1.1 kg m?yr! C,
which corresponds to 37 kmol yrt C in the 400 m? pilot-scale open-water cell) (Azim et al.,
2005). A total of 2+1 kmol yr* of organic carbon was predicted to accumulate in the bottom of
the cell, based on biomat elemental composition and mass accumulation rates (see below),
leaving 1245 kmol yr! of organic carbon remaining, which is within the range necessary to drive
denitrification (Figure 5.7). Thus, microbial denitrification in anoxic regions of the biomat,
fueled by algal-derived organic carbon, was the predominant NO3™ loss mechanism in the
Discovery Bay open-water cell.

Modest amounts of NO3™ may also have been lost by autotrophic denitrification driven by
the oxidation of sulfide, which was formed by SO+ reduction at the bottom of the biomat
(Figure 5.6) (Shao et al., 2010). However, this process would not affect the overall carbon mass
balance, because an equivalent amount of carbon would have been required for SO4% reduction
prior to sulfide oxidation by NOs™ as was necessary for heterotrophic denitrification.
Furthermore, sulfur was not appreciably removed from the system (e.g., via volatilization of
H2S), since SO4% concentrations at the wetland outlet were similar to those measured at the
wetland inlet.
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Figure 5.9: Abundances of genes involved in denitrification (nirK and nirS) and anammox (hzs)
near the inlet of the open-water wetland cell, normalized to 16S gene copies. Measurements
were taken near the biomat-water interface (Biomat top) and at the bottom of the biomat (Biomat
bottom). Error bars represent + average of the absolute deviation of duplicate measurements.
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Figure 5.10: Example of dissolved oxygen (DO) profiles used to calculate annual primary
productivity and respiration rates. Data shown from April 8", 2013 at outlet of pilot-scale
wetland (Manta MultiProbe, Eureka Environmental, Austin, TX). Diffusion was based on [DO]
before sunrise and after sunset; respiration was based on consumption of DO during night;
Primary productivity=Change in [DO]+Respiration-Diffusion of DO (Odum, 1956).
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Figure 5.11: Average biomat thickness measured throughout the pilot-scale open-water wetland
throughout the study period. Slope=1.2+0.5 cm yr. r?=0.55.

Accretion. In vegetated wetlands, NOz™ uptake by plants and subsequent burial of plant
material can account for up to 10% of the observed NO3s™ removal (Vymazal, 2007). Accretion is
typically more important in systems with low nitrogen loadings (Kadlec and Wallace, 2009).
Attached algae can be grown and harvested as a means of removing NO3s™ from wastewater
effluent (Craggs et al., 1996) and from NOz-contaminated drinking water (Sladeckova et al.,
1983). In open-water cells, the majority of NO3z™ assimilated by algal and microbial growth will
likely be released upon decomposition as organic nitrogen and NH4* within the biomat. Much of
the organic nitrogen and NH4" will subsequently be recycled as fresh biomass, re-oxidized to
NOs", or converted to N2 via anammox (see below). Small amounts of biomat could be sloughed
off, but this loss was negligible due to the low flow rates employed. Detritus that accumulates as
wetland sediments will eventually fill the wetland cell. Permanent nitrogen removal would
therefore require periodic sediment removal and disposal (Chapter 2).

The biomat accumulated in the pilot-scale open-water cell at a rate of 1.2+0.5 cm yr?
during the 3-year study period (Figure 5.11), which is slightly higher than rates reported for
vegetated surface flow wetlands (i.e., 0.1-0.9 cm yr?t) (Kadlec and Wallace, 2009). The organic
matter content (32+1%), organic carbon content (12.7+0.3%), and nitrogen content (2.0+0.1% )
of the wetland biomat were within the range typically observed for vegetated wetland sediments
(i.e., 20-35% organic matter; 12-20% organic carbon; 1-3% nitrogen) (Kadlec and Wallace,
2009). The biomat composition did not vary significantly throughout the wetland (Figure 5.12).
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The phosphorus content of the biomat was almost 3 times higher than expected based on
the Redfield N:P ratio of 16:1 (i.e., 0.8£0.1%; N:P=5.4) (Redfield, 1934; Redfield et al., 1963).
While N:P ratios in freshwaters often deviate from values obtained in marine systems, they are
commonly enriched with respect to N (i.e., N:P>16:1) (Hecky et al., 1993). Therefore, processes
other than assimilation may have contributed to phosphorus accumulation in the biomat, such as
adsorption or precipitation of phosphate-containing minerals (Vymazal, 2007). For example,
phosphate may adsorb to carbonate- or iron-containing minerals (Ann et al., 1999), both of
which were present in the biomat (3% COs™-C and 1% Fe by mass). Phosphate may also
precipitate in a variety of minerals (Prochaska and Zouboulis, 2006). For example, the water at
the bottom of the biomat was supersaturated with respect to struvite (NHsMgPO4-6H20)
(Rahaman et al., 2006) at the pH values typical of the wetland (i.e., 8.5-9.5). To assure
permanent removal of phosphate from the system, the biomat would need to be harvested
periodically, as discussed below.

On the basis of the biomat accumulation rate and its nitrogen content, accretion
accounted for only about 2% of the yearly NO3" removal observed in the open-water wetland
(0.4+0.2 kmol yr! N; Figure 5.7). NOs uptake may have been inhibited by the presence of
NH.4", which was present at concentrations higher than those known to suppress NO3™ uptake by
phytoplankton throughout the wetland cell (i.e., ~30 uM versus 0.5-1.0 M to suppress NO3z
uptake) (Vymazal, 1995).

Effluent total suspended solids concentrations were 4.7+0.7 mg L. Assuming the
suspended solids consisted of material from the biomat, this corresponded to less than 1% of the
total nitrogen lost in the wetland (i.e., 0.12+0.02 kmol yr* N). Further, total nitrogen
concentrations in unfiltered samples did not differ from those in filtered samples, indicating that
particulate nitrogen was not present at significant concentrations. Therefore, export of
particulate nitrogen was not a significant nitrogen loss route in the pilot-scale cell.
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Anammox. Anammox couples the oxidation of NH4" to the reduction of nitrite under
anaerobic conditions (Jetten et al., 2005):

NH} + NO; - N, + 2H,0 (5.3)

Anammox bacteria have been identified in wetland sediments (Shipin et al., 2005; Dong
and Sun, 2007) and have been shown to account for up to 24% of the N2 production in surface-
flow wetlands receiving partially nitrified wastewater effluent (Davison et al., 2006; Erler et al.,
2008) and 78% of the N2 production in vegetated wetland microcosms receiving high
concentrations of NH4" and NOs (i.e., 2-20 mM) (Tao et al., 2007). Anammox accounted for up
to 33% of the N2 production in vertical-flow wetland microcosms inoculated with activated
sludge and conditioned at elevated NH4" concentrations (i.e., 0.7 mM) (Zhu et al., 2011). In
wetlands receiving high concentrations of NH4* (e.g., >0.7 mM), nitration coupled to anammox
may enhance NH4" removal by reducing the amount of oxygen required to oxidize NH4* to N2 by
more than half compared to nitrification followed by denitrification (Tao et al., 2012). In
wetlands designed to treat municipal wastewater effluent, such as the Discovery Bay wetlands,
low concentrations of NH3 are required to avoid toxicity to mosquitofish (Gambusia) used for
vector control (Horne and Fleming-Singer, 2005). Under these conditions, anammox could
occur following dissimilatory nitrate reduction to ammonia, or if NH4" is released from decaying
organic matter via ammonification.

In the Discovery Bay open-water cell biomat, conditions suitable for anammox were
observed in locations where NH4" released at the cell bottom met NO3™ from the water column,
assuming that NOs™ was partially reduced to transient NO2™ (Figure 5.6). The presence of hzs
confirmed that anammox organisms were present within the wetland biomat (Figure 5.9)
(Harhangi et al., 2012). Normalized hzs abundance was slightly elevated near the bottom of the
wetland where the most anoxic conditions existed and NH4* concentrations were highest,
although the difference was not statistically significant (p>0.25; Figure 5.6). The normalized
abundance of hzs was similar to the normalized abundances measured in lake riparian zones (up
to about 0.0007 copies hzs per 16S gene copy), where anammox accounted for up to 20% of N
production (Zhu et al., 2013).

Further evidence of the possiblitiy of anammox activity in the open-water cell biomat
was provided by NH4* loss in anoxic microcosms containing wetland biomass. In microcosms
amended with NH4" and either NO3™ or NO2", NH4" concentrations decreased (up to 1246 pmol
NH." lost; Figure 5.13, A&B), corresponding to 30-40% of total nitrogen lost, possibly due to
anammox. In contrast, NH4" concentrations did not change significantly in microcosms that
were not amended with NOs™ or NO>™ (Figure 5.13, C), demonstrating that volatilization,
adsorption, or assimilation were not responsible for NH4* loss. In microcosms amended with
only NO3", NH4" concentrations increased by up to 13+1 pmol, possibly due to ammonification
or dissimilatory nitrate reduction to ammonia (Figure 5.13, D). Further experiments using
isotopically-labeled nitrogen species would be necessary to verify and better estimate the
contribution of anammox to nitrogen removal in the open-water cell (Thamdrup and Dalsgaard,
2002).
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5.3.3 Implications for Design of Open-Water Cells

Due to space constraints and construction costs, wetland area is one of the primary
considerations for wetland design (Kadlec, 2009). The wetland area needed to remove 90% of
NO;s from 1 MGD or 1 MLD (A},) provides a useful metric for wetland design (Chapter 3), as
this ensures a similar level of NO3™ treatment as that achieved by the highest technically feasible
treatment of municipal wastewater (i.e., effluent concentrations of <3 mg L™ N, given influent
[NO57<30 mg L) (U.S. Environmental Protection Agency, 2010; The Department of the
Environment, Maryland, 2014).

A}, values calculated based on monthly average temperatures using Equation 2 were
smaller for open-water wetlands than those calculated based on k2o values for the majority of
free-water surface flow vegetated treatment wetlands (Figure 5.14) (Kadlec, 2012). Therefore,
wetland operators could convert portions of existing vegetated wetlands to shallow, open-water
wetlands to enhance removal of trace organic contaminants (Chapters 3,4) and pathogens
(Nguyen et al., 2014; Silverman et al., 2014) without sacrificing NO3z  removal. Shallow, open-
water wetlands are also less prone to hydraulic short-circuiting caused by preferential flow-paths
in vegetated wetlands (Lightbody et al., 2008), because there is no emergent vegetation to
constrict water flow or create channels.

The design and operation of open water cells for NO3z™ removal is relatively simple and
requires a shallow cell that is lined to prevent the growth of emergent macrophytes. Shallow
water (<30 cm deep) and low linear flow rates (~0.1 cm s) are necessary to ensure that the
diffuse biomat on the wetland bottom receives sufficient sunlight to support photosynthesis and
is not washed out of the system. The biomat thickness will increase over time and will likely
provide optimal NOs™ removal when it is between 4 and 8 cm thick. With deeper biomat
thicknesses it is possible that NO3z™ removal via anammox will be enhanced. To prevent
clogging, the biomat eventually needs to be harvested (Chapter 4). After removal, the nutrient-
rich biomat may be useful as a fertilizer.

In addition to treating nitrified municipal wastewater effluent, shallow, open-water
wetlands may be used to treat other NOz™-rich waters. The use of shallow, open-water wetland
cells to remove NOz", pathogens, and trace organic contaminants, from an effluent-dominated
river is currently being investigated in the Prado wetlands in Southern California (Orange
County Water District, 2008). Open-water cells could also be applied to treat agricultural run-off
containing NOgz".
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Figure 5.14: Mean area predicted to provide 90% removal of NOz” from 1 MGD or 1 MLD of
wastewater effluent in open-water (solid line) and vegetated (dashed line) (Kadlec, 2012)
treatment wetlands throughout the year (Al,). Nitrate removal rates were calculated using
Equation 2 using average water temperatures in Discovery Bay, CA (i.c., from 10° C in the
winter to 23° C in the summer; Table 4.4). Gray area indicates + standard error of the mean.
Dashed lines show the area per MGD of existing full-scale treatment wetlands (Orange County
Water District, 2008; Florida Department of Environmental Protection, 2012) and A%, required
for trace organic contaminants (atenolol, metoprolol, propranolol, trimethoprim, and
sulfamethoxazole) during the summer (Chapter 4).
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CHAPTER 6. Conclusions
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6.1 Summary

The ability of open-water wetland cells to remove trace organic contaminants and nitrate
from wastewater effluent was evaluated in a series of experiments conducted in the laboratory
and at a pilot-scale facility. Open-water wetlands are shallow (20-30 cm) cells that are lined
with a geotextile fabric to prevent the growth of emergent macrophytes. The unshaded water is
well-suited to contaminant removal via photolysis. In addition, a diffuse algal biomat on the
wetland bottom supports microorganisms capable of transforming wastewater-derived
contaminants and nitrate. To evaluate the ability of open-water wetland cells to treat trace
organic contaminants and nutrients, a pilot-scale system receiving nitrified, non-disinfected
municipal wastewater effluent was monitored over a 3-year period. To gain further insight into
the system, microcosm experiments were conducted using water and biomat samples from the
pilot-scale system. The removal of trace organic contaminants via photolysis in open-water
wetlands was assessed with a photolysis model based on experiments using simulated sunlight.
Results suggested that photolysis could be optimized in shallow water (i.e., ~30 cm) and that
photolysis could be enhanced by controlling nitrate concentrations, dissolved organic carbon
concentrations, and pH. Monitoring of the pilot-scale system demonstrated that
biotransformation in the wetland biomat was also an important removal mechanism for trace
organic contaminants. In conjunction with photolysis, this allowed for efficient (>90%) removal
of most of the trace organic contaminants studied, in wetland areas similar to existing full-scale
wetland systems. In addition to trace organic contaminant removal, the pilot-scale open-water
wetland achieved more than 60% removal of nitrate annually, primarily via microbial
denitrification. The observed nitrate removal rates were higher than rates typically observed for
vegetated wetland systems.

6.2 Removal of Trace Organic Contaminants in Open-Water Wetlands

In Chapter 2, previous studies evaluating the removal of trace organic contaminants in
vegetated and subsurface flow treatment wetlands were critically reviewed. The results of this
analysis indicated efficient removal of numerous compounds in existing wetlands, but it also
revealed a great deal of variability in removal rates among studies. Trace organic contaminant
removal in previous studies was typically ascribed to sorption, biotransformation, and in
wetlands with open-water zones, photolysis. In most cases, however, trace organic contaminant
removal mechanisms were not quantified under carefully controlled conditions, making
generalization of results challenging, and limiting their usefulness in optimizing wetland design.
Nonetheless, analysis of data in Chapter 2 led to the hypothesis that by designing wetlands in a
unit process fashion, with individual wetland cells optimized to remove specific contaminants
connected in series, wetland efficiency and reliability could be increased, as compared to a
“natural design” approach. In addition, the review indicated that shallow, open-water systems
and aerobic conditions would be more likely to result in rapid removal of trace organic
contaminants. To assess the unit process concept, novel wetland cells were described, including
an open-water wetland cell that exploits photolysis and photosynthesis.

To evaluate the ability of open-water wetlands to remove trace organic contaminants via
photolysis, a photolysis model was developed in Chapter 3 based on experiments using simulated
sunlight. The model was used to estimate trace organic contaminants photolysis rates under
different wetland conditions (e.g., depth, pH, dissolved organic carbon concentration, and nitrate
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concentration). The model was also used to determine the wetland area necessary for efficient
(i.e., 90%) removal of contaminants. The results indicated that open-water wetland depths of
about 30 cm maximize photolysis rates while minimizing the potential for growth of floating
vegetation. Further, the model results suggested that photolysis rates were enhanced at high
nitrate concentrations, due to the photochemical formation of hydroxyl radical. Dissolved
organic carbon reduced photolysis rates for most compounds, but the effect was not as drastic for
compounds susceptible to reaction with triplet dissolved organic matter (e.g., diuron and
propranolol). Wetland pH affected photolysis rates of test compounds because hydroxyl radical
was converted to carbonate radical via reaction with carbonate at alkaline pH values (i.e., >9).
Therefore, the photolysis rates of compounds that react rapidly with carbonate radical (e.g.,
sulfamethoxazole and propranolol) were enhanced at elevated pH values, while the photolysis
rates of compounds that react slowly with carbonate radical (e.g., atenolol and carbamazepine)
were reduced. Overall, the results of Chapter 3 suggested that most compounds studied could be
removed efficiently via photolysis in wetland areas similar to existing systems during summer,
and for some compounds, during the spring and fall.

Monitoring of ambient concentrations of trace organic contaminants in a pilot-scale open-
water wetland cell indicated that photolysis could not entirely account for the observed removal
of trace organic contaminants. To explain this discrepancy, the removal of trace organic
contaminants via sorption and biotransformation in the open-water wetland biomat was assessed
in Chapter 4. While sorption served as a temporary sink for hydrophobic compounds (e.g.,
propranolol), the sorption capacity of the biomat was quickly saturated. Therefore, sorption was
not a sustainable removal mechanism. Biotransformation rates of trace organic contaminants
measured in microcosm experiments displayed differences between illuminated and dark
conditions. Certain compounds (e.g., trimethoprim and sulfamethoxazole) were transformed
more rapidly under dark conditions (i.e., pH=8.5; [O2] = 5 mg L) and other compounds (e.g.,
B-blockers) were transformed more rapidly under illuminated conditions, when algal
photosynthesis elevated pH values and dissolved oxygen concentrations (i.e., pH=9.5;

[02]>20 mg L). Measured biotransformation rates were typically about an order of magnitude
higher than rates previously measured in vegetated wetlands and surface waters. Predictions for
removal of trace organic contaminants in open-water cells via photolysis and biotransformation

suggested that efficient removal (i.e., >90%) could be achieved in wetland areas similar to those
occupied by existing full-scale systems throughout most of the year.

6.3 Removal of Nitrate in Open-Water Wetlands

Because wetlands are commonly employed for nutrient removal, the ability of open-water
wetlands to remove nitrate was evaluated (Chapter 5). On an annual basis, greater than 60% of
the nitrate entering the pilot-scale open-water cell was removed. As often observed in vegetated
wetlands, nitrate removal was more efficient during warm months and slowed during the cool
months, due to changes in microbial activity. Temperature-corrected nitrate removal rates in the
pilot-scale open-water cell were higher than values reported for more than 75% of vegetated
wetlands (k20=59.4+6.2 m yr).

To ensure that nitrate removal in the open-water wetland was sustainable, potential
nitrate removal mechanisms were evaluated. Microbial denitrification rates were measured in
anoxic microcosms containing water and biomass from the pilot-scale cell. On the basis of
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measured denitrification rates, microbial denitrification in the wetland biomat was identified as
the primary loss mechanism of nitrate, accounting for more than 80% of the nitrate lost in the
open-water cell. Denitrification was driven primarily by algal carbon released as algae decayed
in the wetland biomat. The importance of denitrification was supported by the presence of genes
necessary for denitrification (nirk and nirS) within the wetland biomat.

Accretion of assimilated nitrogen was a relatively insignificant nitrogen loss mechanism,
accounting for less than 3% of the nitrate removed annually. The phosphorus content of the
biomat was greater than expected based on the Redfield ratio, possibly due to the precipitation of
phosphate-containing minerals. However, phosphate removal throughout the study was modest
(<20%).

Conditions suitable for nitrate removal via anammox (anaerobic ammonium oxidation)
existed within the biomat where nitrate mixed with ammonium released from decaying biomass.
The removal of ammonium in microcosms amended with nitrate or nitrite suggested that
microorganisms capable of anammox were active in the biomat. The higher abundance of the
anammox-specific gene hydrazine synthesase (hzs) near the wetland bottom than adjacent to the
biomat surface provided further evidence for the presence of anammox organisms in the pilot-
scale wetland cell. Overall, anammox may have been responsible for up to 10% of annual nitrate
removal in the system.

Results from Chapter 5 suggested that efficient nitrate removal can be achieved in
wetland in areas similar to or smaller than those used for vegetated wetlands. Therefore,
portions of vegetated wetlands may be converted to open-water wetlands to enhance removal of
trace organic contaminants (Chapters 3 and 4) and pathogens (Nguyen et al., 2014; Silverman et
al., 2014) without sacrificing nitrate removal.

6.4 Future Research

As discussed in Chapter 2, it may be possible to enhance contaminant removal efficiency
in unit process wetlands by judiciously arranging cells within a wetland treatment train. For
example, macrophyte-derived dissolved organic matter may produce compounds that sensitize
photolysis of trace organic contaminants better than wastewater-derived dissolved organic matter
(Catalan et al., 2013). Therefore, the removal rates of certain trace organic contaminants may be
increased in open-water cells positioned after macrophyte-dominated cells. Conversely, nitrate
removal in vegetated cells may reduce indirect photolysis of trace organic contaminants in open-
water wetlands (Chapter 3).

Photolysis and biotransformation modify trace organic contaminants, but typically do not
result in complete mineralization. Transformation products typically do not retain their original
biological function and tend to be more hydrophilic which often makes them less toxic and easier
for organisms to excrete. However, in some cases transformation products may be more toxic
than the parent compounds (Latch et al., 2003a). In Chapter 3, the biotransformation products of
several test compounds were identified, but except in the case of atenolol, the identified
transformation products only accounted for a small fraction of the transformed parent
compounds. To ensure that trace organic contaminant transformation products produced in
open-water wetlands are not more toxic than the parent compounds, transformation pathways for
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more test compounds should be elucidated. In some cases, this may require the use of
14C-labeled compounds and collection of labeled CO> to evaluate the extent of mineralization.
While it is not possible to identify the transformation products of all wastewater-derived trace
organic contaminants in open-water cells, generalizations may be possible for chemical classes
and specific functional groups. Bioassays may also provide guidance as to which test
compounds’ transformation products are likely to retain biological activity.

Biotransformation rates of certain test compounds were found to differ in illuminated and
dark microcosms. As discussed in Chapter 4, it was expected that trace organic contaminant
oxidation would be enhanced under the high dissolved oxygen concentrations produced by
photosynthesis at the top of the biomat, which was observed for metoprolol and propranolol.
Further research is necessary to explain the enhanced rates of transformation of trimethoprim and
sulfamethoxazole observed in dark microcosms. Insight into this process may be gained by
inhibiting specific types of bacteria, or by adding easily-utilized carbon sources to stimulate
bacteria. For example, addition of allylthiourea to microcosms can inhibit nitrifying
microorganisms that may be more active when ammonium is released via ammonification in
dark microcosms (Batt et al., 2006). The addition of acetate to microcosms could be used to
mimic the effect of the release of labile compounds during photosynthesis.

In Chapter 5, nitrogen cycling and removal in open-water wetlands was assessed. While
nitrate was primarily removed by denitrification, microcosm incubations and microbial analysis
suggested that some nitrate loss may be attributed to anammox. To quantify the importance of
anammox in open-water wetlands, studies employing isotopically labeled nitrogen species could
be employed (Thamdrup and Dalsgaard, 2002). Understanding the contribution of anammox to
nitrogen removal would help inform the management open-water wetland systems. For example,
removal of nitrogen via anammox may be enhanced as the wetland biomat thickens, implying
that nitrogen removal would be optimized in thicker biomats than predicted based only on nitrate
removal via denitrification.

In addition to wastewater-derived contaminants, open-water wetlands may also be
capable of removing contaminants present in other wastewaters, such as agricultural runoff and
industrial wastewater. Agricultural runoff contains pesticides, which in some cases are removed
in vegetated wetlands (Kruger et al., 1996; Moore et al., 2000, 2002). Certain pesticides are
photo-labile (Zeng and Arnold, 2012; Remucal, 2014), and their removal may be enhanced via
photolysis in open-water wetland cells. Removal of other pesticides via biotransformation may
be enhanced under the oxic conditions of open-water wetlands, as compared to in predominantly
anaerobic vegetated wetlands. Trace organic contaminants present in industrial wastewater may
be removed in vegetated wetlands (Knight et al., 1999; Lin et al., 2006), but their removal in
open-water wetlands has not been assessed. Open-water wetlands may also be employed to
remove nitrate from agricultural runoff.

Research described in Chapters 2-5 utilized microcosm-scale experiments to gain insight
into trace organic contaminant and nitrate removal in the Discovery Bay pilot-scale wetland.
Scaling up open-water unit process cells from the pilot- to the demonstration-scale would
provide wetland operators and agencies interested in building treatment with further evidence of
the utility and feasibility of these systems. It also could help to identify maintenance
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requirements and factors affecting wetland performance. To this end, demonstration-scale open-
water cells have been built in the Prado Wetlands in Southern California (Orange County Water
District, 2008). Three parallel open-water cells, each about 20 times larger than the Discovery
Bay pilot-scale cell (i.e., ~0.75 ha) receive approximately 0.3 MGD (~1 MLD) of water from the
adjacent, effluent-dominated Santa Ana River. By monitoring the removal of trace organic
contaminants, nutrients, and pathogens in these cells, the performance of open-water cells can be
assessed under a range of operating conditions. The feasibility of maintenance activities, such as
removing floating vegetation and periodically removing the biomat, can also be evaluated.
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