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Abstract 

Where to restore? Influence of surroundings on stream restoration outcomes 

Bronwen Stanford 

Streams and rivers are both highly important for biodiversity and ecosystem function 

and highly sensitive to human land use change. Efforts to restore and enhance stream 

condition have created a booming industry; however, many restoration projects 

fail to achieve recovery.  This dissertation explores how surrounding conditions can 

help explain variation in stream restoration outcomes. I assess the influence of site 

surroundings and land cover on stream restoration and recovery at local, watershed, 

and regional scales. In Chapter 1, I present results of an observational field study 

monitoring stream recovery following riparian restoration in rangelands in Marin 

County, CA, and show that greater linear lengths of riparian trees can partially buffer 

stream condition from grazing stresses.  In Chapter 2, I present a global meta-analysis 

combined with land cover analysis to assess stream recovery following a disturbance 

to water quality. I show that most streams fail to recover to baseline conditions within 

the study period, and that streams with more upstream natural land cover may 

experience lower recovery completeness than streams in more human-dominated 

watersheds. Finally, in Chapter 3, I analyze the spatial distribution of 

stream restoration and management sites over the past 30 years on the California 

Central Coast using both sociopolitical and biophysical indicators. I find 

more restoration near more white, wealthy, and educated human communities, 

suggesting that current practice could better match restoration effort and need. 
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Together these findings reinforce calls for watershed planning to prioritize 

overlooked opportunities and to position restoration projects to achieve the greatest 

regional benefits. 
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Chapter 1. Rangeland stream response to riparian corridor length 

 

Abstract 

Riparian vegetation is commonly conserved and restored in working landscapes to 

improve in-stream condition and water quality, with mixed results. Small-scale 

restoration techniques such as revegetation may benefit from increases in size, given 

evidence that matching the scale of the intervention and stressor can improve 

outcomes. We use a replicated field study to evaluate whether increasing the linear 

length of narrow riparian tree corridors results in measurable improvements to in-

stream condition. We collected data at 41 sites with varying upstream tree cover 

nested in 13 rangeland streams in coastal northern California, USA. We focus on 

differences in benthic macroinvertebrates and their food resources, water quality, and 

channel form. Longer riparian corridors resulted in lower water temperatures and less 

fine substrate, as well as higher percentages of intolerant invertebrates. Fine 

particulate organic matter, invertebrate tolerance value, and invertebrate richness did 

not differ by tree corridor length. The covariates we included for stream effect (length 

of upstream gap in riparian cover, soil type) explained some of the variation in 

particulate organic matter and invertebrate responses: in particular, soil type had a 

strong effect on invertebrate community composition. Our results suggest that two of 

the most important aquatic stressors (high water temperatures and fine sediment) 

decline by ecologically meaningful amounts with increased riparian corridor length. 
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We conclude that longer tree corridors may provide some benefits to in-stream 

condition in addition to increasing habitat connectivity. 

 

Introduction 

 Restoration frequently seeks to reverse the impact of land use and land cover 

change, whether re-planting on forestlands that have been converted to agriculture or 

limiting the effects of invasive species and water pollution associated with urban 

areas. In many cases, efforts restore ecological process are most effective at large 

scales, for example through removing a dam to restore connectivity and flow in a 

river (Holl et al. 2003; Beechie et al. 2008). However, such large-scale, process-based 

restoration is frequently constrained by the ongoing competing land use, particularly 

in mixed-use landscapes. We explore the value of increasing the size of small-scale 

restoration efforts to better support both ecological functioning and ongoing human 

land use.    

 Restoration and protection of riparian tree corridors is a common small-scale 

intervention in working landscapes and can provide multiple benefits (Naiman & 

Decamps 1997). Importantly, riparian revegetation can restore riparian processes with 

the potential for long term benefits: tree cover can provide shading and coarse organic 

matter inputs in the form of leaf litter, as well as slow overland water flow, reduce 

peak flow, limit bank erosion and soil loss, and filter fine sediment and nutrients 

(Naiman & Decamps 1997; Sweeney & Newbold 2014; Dixon et al. 2016). However, 

there are limits to the improvements that are possible without removing ongoing 
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stressors (Roni et al. 2008), and in some cases, small-scale riparian restoration does 

not improve in-stream conditions (Louhi et al. 2011; Violin et al. 2011).  

One factor that might improve such efforts is incremental changes in project 

size.  Recent research has established that a minimum buffer width of 30-50 m is 

required to effectively filter and process nutrients and sediment before they enter the 

stream (Mayer et al. 2007; Sweeney & Newbold 2014), but this width is not always 

achievable where grazing is ongoing and wide corridors are unrealistic. Although 

there is some evidence that spatial positioning of riparian revegetation can influence 

in-stream conditions (Parkyn et al. 2003; Baker et al. 2006), little research has 

focused on the importance of corridor length. 

Here, we tested whether longer riparian corridor length can improve stream 

outcomes. While narrow corridors may be ineffective at filtering fine sediment and 

nutrients from overland flow (Muller et al. 2016), long narrow corridors may be able 

to moderate extreme flows, store fine sediment, limit local erosion, lower stream 

temperatures and provide and retain coarse organic matter (Parkyn et al. 2003; Moore 

& Palmer 2005; Urban et al. 2006; Wohl et al. 2015a). In addition, long narrow 

corridors can stabilize banks and trap dead wood, supporting pool formation and 

channel complexity (Gurnell et al. 2016; Muller et al. 2016; Solari et al. 2016).  

We performed our study in grazed grasslands of west Marin and Sonoma 

counties, CA, USA, working in a series of restored and remnant strips of riparian tree 

cover. We focused on in-stream conditions, including the benthic macroinvertebrate 

community and habitat features likely to affect this community. Macroinvertebrates 
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are useful indicators of in-stream conditions because they are ubiquitous, have well-

studied food preferences, relatively small ranges as larvae, and taxa-specific 

responses to stressors in agricultural and grazing land uses (Rosenberg & Resh 1993; 

Matthaei et al. 2010; Larsen et al. 2011). As a result, they integrate site conditions 

over time.  

We hypothesized that long corridors would result in lower water temperatures, 

less fine sediment, more pools (due to stabilization of dead wood and increased scour) 

and a shift in food resources (less algae, more leaf litter). In turn, we predicted that if 

greater tree corridor lengths improved in-stream conditions, this would transform the 

macroinvertebrate community to include more intolerant or sensitive taxa (higher % 

EPT, % sensitive, & richness, lower tolerance value) and drive a shift in consumer 

types towards detritivores and away from grazers (Sponseller & Benfield 2001). In 

addition, we hypothesized that if tree cover traps fine sediment, we would observe a 

shift away from burrowing invertebrates and towards clingers, which require larger 

substrate.  

 

Methods 

Study design 

Marin and Sonoma counties have a Mediterranean climate with average 

rainfall of 68 cm (National Centers for Environmental Information 2018). We 

sampled in 2015 and 2016. 2015 was the final year of a multi-year drought and had 

below average rainfall (609 mm in 2015 water year), whereas 2016 represented 
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slightly above-average rainfall (690 mm) (National Centers for Environmental 

Information 2018).  

Over the past 20 years, riparian vegetation has been restored throughout the 

region to improve water quality and manage erosion, as well as to support listed 

subpopulations of Coho salmon (Oncorhynchus kisutch) and steelhead trout (O. 

mykiss). Restoration techniques included fencing to permit passive recovery, the 

planting of willow stakes, and planting of other tree species in small grazing 

exclosures (see Figure 1.1b). The consistent land use and many small, low order 

streams provided good replication for our study. A 2011 study (Lennox et al. 2011) of 

riparian tree survival and recruitment following re-vegetation in the same region 

found high survival of woody species, as well as increases in in-stream wood and 

pool depth. We build upon this study by evaluating in-stream responses to tree cover.  

To isolate the effect of tree corridor length, we controlled for the well-

documented effect of watershed condition by sampling streams within one land use 

type in a small geographic area, using a nested design with multiple sampling points 

on each stream. We also controlled for three factors that capture potentially larger-

scale influences on the effect of corridor length: stream power (Bizzi & Lerner 2015), 

length of upstream gap in tree cover, and soil type (which determines substrate size). 

These controls allow us to focus on the potential for improvement to in-stream 

conditions with greater riparian corridor length. 

Stream were selected based on four criteria: 1) dominant land use/land cover 

of grazed grasslands; 2) a break in riparian cover coupled with a downstream intact or 
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restored riparian tree corridor (if restored, established a minimum of 7 years prior); 3) 

flowing water in April (i.e., not ephemeral); and 4) site access permission. Within a 

stream, we used GoogleEarth aerial photography to select a site with no tree cover 

immediately upstream of the riparian corridor and a site at the downstream end of the 

corridor (Figure 1.1). Where additional sites were available between the unbuffered 

and far downstream site, we sampled up to two additional points with intermediate 

lengths of upstream corridor. Each comparison set along a given stream represents a 

“stream group.” In three cases, we had two stream groups on a single stream, but 

these were a minimum of 2 km apart. Five of the stream groups we sampled had 

remnant tree corridors, while seven had recently planted tree corridors and one 

contained reaches of both restored and remnant cover (Table 1A.1). 

Tree corridors in our study area were narrow, with a median width of 10 m on 

each bank (maximum 30 m). Dominant tree species included Salix spp. (willows), 

Quercus spp. (oak), Umbellularia californica (California bay laurel), Alnus spp. 

(alder), and Aesculus californica (California buckeye). Restored corridors were 

dominated by willows, while remnant corridors had a more diverse mix of trees. All 

streams were narrow enough that riparian trees achieved complete canopy closure 

(Table 1A.1). We calculated standardized corridor length as corridor length / bankfull 

stream width, because as stream volume increases we expect a longer corridor to be 

required to impact stream condition (Parkyn et al. 2003). Several of the larger streams 

had long corridors, so this also reduced the problem of one stream group having 
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multiple outlier points. We re-ran the analyses on unstandardized corridor length, and 

all significant coefficients were unchanged.  

Within each site, we identified a sampling riffle and defined a 50-m sampling 

reach working upstream from the selected riffle. We selected riffle habitats because 

they typically support the most productive and diverse macroinvertebrate 

communities in streams (Needham & Usinger 1956; Statzner et al. 1988; Ode 2007). 

We sampled at 25 sites within seven stream groups in 2015.  In 2016, we resampled 

those sites as well as an additional 14 sites for a total of 39 sites within 13 stream 

groups. In four of our 13 stream groups, we could not access the unbuffered site, and 

instead sampled only within the area with tree cover (Table 1A.1). Only five sites 

(two stream groups) had perennial flow; the others are summer-dry intermittent 

streams. Most analysis includes both years, but in some cases (e.g., food resources 

quantification) we rely on only the 2016 dataset, which is more complete. 

 

Habitat variables 

We sampled in April 2015 and April-May 2016. At the downstream, mid, and 

upstream points of the reach (meter 0, 25, 50) we measured bankfull width and depth. 

We placed a HOBO Onset pendant continuous temperature logger at each site for 3 

weeks. We calculated pool spacing as the number of channel widths per pool within 

the 50-m reach (50/ bankfull channel width / # pools) (Montgomery et al. 1995). 

Across each sampling riffle we performed a pebble count of at least 100 

pieces of substrate along perpendicular transects placed 0.25-1 m apart, depending on 
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channel width and riffle length (Wolman 1954; Bunte & Abt 2001). Bed material 

smaller than 2 mm was recorded as “sand” and “fines.” We calculated median 

diameter (d50) and % fines and sand. 

In 2016, we took chlorophyll a samples from three cobbles within each 

sampling riffle. We scrubbed each cobble with a nylon brush until visibly clean, and 

then filtered a known proportion of the algal slurry through a Whatman glass fiber 

filter to the point of resistance (Arar & Collins 1997). We measured the three largest 

perpendicular axes for each cobble to estimate surface area using a spheroid 

approximation (Bergey & Getty 2006). In the lab, chlorophyll a (corrected for 

pheophytin a) was measured in μg/L concentrations using a TD-700 fluorometer 

(Arar & Collins 1997; Steinman et al. 2017). We then calculated the concentration of 

corrected chlorophyll a per rock area and took the median measurement from the 

three cobbles per site. 

In 2016 we sampled riffles for coarse particulate organic matter (CPOM, ≥ 1 

mm, e.g., leaf litter) and fine particulate organic matter (FPOM, <1 mm) using a 500-

μm D-net. We cleaned cobbles from a 0.09-m2 area into the net and disturbed the 

substrate for 30 seconds. We took three samples per site and combined them for a 

total sampling area of 0.27 m2. We repeatedly elutriated the sample to remove gravel 

and sand, and then poured the sample through 1-mm mesh and removed all large 

invertebrates. CPOM was trapped on the net, towel-dried, and weighed in the field to 

the nearest gram. To estimate FPOM, the sample passing through the mesh was then 

filtered through a 500-μm net to capture FPOM ≥ 500 μm. We removed 
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macroinvertebrates from the sample with forceps and preserved the remainder in 

formalin. In the lab, samples were dried, weighed, ashed, and reweighed to calculate 

the ash-free dry mass of this “large” fraction of fine particulate organic matter 

(Hutchens et al. 2017).  

Invertebrates 

We sampled the riffle invertebrate community using the sampling method 

outlined above. We elutriated samples in the field and preserved them in 95% 

ethanol. In the laboratory, samples with over 600 individuals were split into 

subsamples with a minimum count of 350 individuals. Invertebrates were sorted from 

the sample and identified to family for insects and class or order for non-insects using 

standard keys (Wiggins 1977; McCafferty 1981; Harrington & Born 2000; Cummins 

et al. 2008).  

To assess community response to riparian tree cover, we used community 

metrics that have high discrimination and high stability for intermittent streams in this 

region (SFBRWQCB 2007) and that are less sensitive to our limited taxonomic 

resolution (e.g., not Diptera richness). We calculated mean tolerance value using 

California Tolerance Values (Ode 2003), based on the Hilsenhoff Biotic Index, 

assigning each taxon a value from 0 (intolerant or sensitive) to 10 (extremely tolerant) 

and using an abundance-weighted average to calculate a community tolerance value. 

We also calculated percent intolerant or sensitive taxa (scores 0-2). We calculated 

% EPT (Insecta orders Ephemeroptera, Plecoptera, and Trichoptera), a common 

measure of stream condition. EPT orders are typically larger-bodied, diverse, and 
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sensitive to environmental stress (Resh & Jackson 1993). We compared % EPT and 

tolerance values in our sites to minimally disturbed intermittent streams in the San 

Francisco Bay Area (SFBRWQCB 2007). 

To explore response to food resources, we assigned insects to functional 

feeding groups (shredder, grazer, other) using classifications based on mouthpart 

morphology (Ode 2003). Due to lack of taxonomic resolution, we did not assign a 

functional feeding group to Chironomidae, which made up a median of 36% of 

invertebrates at a site, and is most commonly comprised of predators, collector-

filterers, and collector-gatherers, rather than shredder or grazer specialists (Ode 2003; 

Bogan et al. 2015). To assess responses to differences in habitat, we assigned taxa as 

clingers, burrowers, or other based on functional form (Poff et al. 2006). Median 

relative frequencies were extremely low for burrowers (0) so we only analyzed 

clingers. We also calculated rarefied richness based on our minimum count of 361 

individuals.  

 

Landscape characterization 

Using GPS waypoints and ESRI ArcGIS, we located each site and measured 

corridor width and upstream corridor length from aerial imagery, as well as the length 

of the continuous unshaded distance upstream of the riparian corridor for each stream 

group, which we refer to as the upstream gap in cover We used a 3-m digital 

elevation model (USGS 2018) to map upstream drainage area and the channel slope. 

We estimated stream power using mean bankfull width and depth multiplied by slope. 
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Using the soil map for Marin County (Kashiwagi 1985) we assigned sites to one of 

two broad classifications of soil type: moderately drained fine coastal soils or well-

drained coarser inland soils.  

 

Data analysis 

We completed all analyses and data manipulation in R (R Core Team 2017), 

and constructed figures using the package ggplot2 (Wickham 2009). We compared 

characteristics of remnant and restored corridors using a Wilcoxon rank-sum test. 

 

Models 

We modeled six habitat outcomes (mean water temperature, pool spacing, % 

fines and sand, chlorophyll a concentration, FPOM, CPOM), and five invertebrate 

outcomes (% clingers, % EPT, % intolerant, tolerance value, rarefied richness) 

separately, constructing a total of eleven models. We define significance at p ≤ 0.05 

and report standard error. 

To assess the effect of tree cover on habitat and invertebrate metrics, we 

performed a series of regressions using the R package lme4 (Bates et al. 2015). We 

applied a logit transformation to proportion outcomes (Warton & Hui 2011), adding 

0.001 where values included zero. We modeled concentrations and weights 

(chlorophyll a, CPOM, FPOM) and pool spacing using a generalized linear mixed 

effects model (GLMM) with a gamma distribution and a log link. Other responses 

were modeled using linear mixed effects models (SI Table A2). All predictors were 
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centered and rescaled prior to analysis (Gelman 2008). We constructed regression 

models using both standardized corridor length and tree presence as predictors and 

stream group and year (where applicable) as random effects. Corridor length and tree 

presence are nested and collinear; tree presence functions as a covariate, allowing us 

to estimate the effect of corridor length independent of the potentially strong effect of 

presence. For models where corridor length did not have a significant relationship 

with the outcome variable, we performed a paired t-test comparing sites with no tree 

cover to the nearest downstream site with trees to test for an effect of tree presence. 

We did not perform this test for models with a significant effect of corridor length, as 

a significant effect of length indicates that trees do affect stream condition. 

To assess whether the effect of corridor length varied with larger-scale 

conditions, we tested for significant interactions between corridor length and three 

covariates in turn: coarse vs. fine soil type, stream power (log-transformed), and 

length of the upstream gap in tree cover (log-transformed). We only tested those 

relationships for which we had hypotheses: we tested stream power for all terms, and 

soil type and upstream gap for all invertebrate outcomes but only a subset of the 

habitat outcomes (Table A2). We compared each of the resulting models to the 

corridor length and presence only model using a likelihood ratio test. We include the 

additional terms where they improved the model (p ≤ 0.05). The interaction term for 

stream power did not improve any of the models, so it is not included in the table. 

To assess model goodness of fit, we calculated pseudo-R2 for the linear mixed 

effects models (Nakagawa & Schielzeth 2013) using the package piecewiseSEM 
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(Lefcheck 2016), which calculates the variance explained by the fixed effects alone 

(marginal pseudo R2) and the total variance explained. Equivalent methods are not 

available for the generalized linear mixed effects models with log links that we used.  

We assessed influential points and influential stream groups (random effects) 

using Cook’s distance calculated with the package influence.ME (Nieuwenhuis et al. 

2012): we visually inspected plots for high leverage points, excluded any streams or 

sites that were highly influential, re-ran the models on the reduced dataset, and 

compared to the models from the original full dataset. Results were qualitatively 

unchanged in all cases, so we retained the full dataset. We plotted residuals against 

predicted values, standardized corridor length, tree presence and any selected 

covariates; there were no patterns. We also plotted the random effects. The model 

output for pool spacing was counterintuitive, so we assessed the correlations between 

pool spacing and depth, as well as between pool spacing and wood pieces. 

Ordination 

We evaluated differences in whole community composition in response to 

watershed and stream condition using non-metric multidimensional scaling (NMDS) 

ordination and the R package vegan (Oksanen et al. 2017). To avoid autocorrelated 

repeated measures, we plotted only 2016 data. We performed a Hellinger 

transformation on the data prior to constructing the ordination to standardize total 

abundances and de-emphasize rare species (Legendre & Gallagher 2001). For 

visualization, we created four categories of standardized corridor lengths: no tree 

cover, short (0-50 m), medium (51-200 m), and long (>200 m), which represent 
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roughly equal proportions of our data. To visualize the relationship between the 

invertebrate community and the environmental variables, we used the envfit function 

to create a series of vectors that maximize the correlation between environmental 

variables and the NMDS ordination and overlaid these on the ordination. We assessed 

significance by permuting the environmental variables 999 times and comparing 

estimates.  

We performed a partial redundancy analysis (pRDA) on the transformed 2016 

community data to test whether restored vs. remnant cover predicted community 

composition, after controlling for the effect of soil type (Legendre & Legendre 2012). 

We partialled out the effect of soil type, calculated the proportion of the remaining 

variance in the transformed species matrix explained by restored vs. remnant cover, 

and permuted the dataset 999 times to calculate a p-value (Borcard et al. 2011; 

Legendre & Legendre 2012; Oksanen et al. 2017).  

 

Results 

Comparison of restored and remnant corridors 

 Restored corridors were an average of 6 m narrower on the narrower side than 

remnant corridors (w=165, p=0.02), but had similar upstream gaps in cover (w=108, 

p=0.9). Shading (w=131, p=0.4) was also similar for the two groups. Partial 

redundancy analysis estimated that 5% of the variation in invertebrate communities 

was explained by whether the site was restored or remnant, after controlling for the 

effect of soil type.  
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Habitat response to tree corridor length  

The habitat variables representing physical conditions (temperature, substrate, 

pools) responded to tree corridor length (Table 1, Table A2). Mean temperature (over 

3 weeks) declined with tree corridor length more strongly where the upstream gap in 

cover was longer. The reductions in temperature over 1 km of tree cover brought the 

average site below the thermal threshold for salmonids, even in sites with long gaps 

in upstream cover (Figure 1.2a,e), and the median 3-week mean water temperature 

was 16˚C for unshaded sites and 14.7˚C for shaded sites. The proportion of fine 

substrate and sand on riffles declined with corridor length, although more 

dramatically for fine soil types (Figure 1.2b,f). Counter to expectations, pool spacing 

increased with tree corridor length, so that there were fewer pools at longer corridor 

lengths (Figure 1.2c,g). Pool depth and spacing had a weak negative correlation (R=-

0.3, p=0.04), such that depth and frequency of pools decreased together.  

 Food resources did not respond consistently to corridor length. FPOM was 

higher at sites with long gaps in cover regardless of corridor length and increased 

(marginally significant) with corridor length at sites with long upstream gaps in 

cover, but did not change with corridor length at sites with short gaps in cover (Figure 

1.2d,h). The other two food resources measurements (chlorophyll a and CPOM) did 

not change in response to corridor length (Table 1A.2).  

 When we compared sites with and without trees on the same stream using t-

tests, CPOM significantly increased at sites with short corridors compared to sites 
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with no tree cover (p=0.02), and chlorophyll a decreased (p=0.05). There was no 

difference in FPOM (Table 1A.2). 

Invertebrate response to corridor length and tree presence 

 The relative abundance of EPT, clingers, and intolerant taxa all increased with 

corridor length (Figure 1.3, Table 1.1, Table 1A.2). Rarefied richness and tolerance 

value were not affected by tree corridor length. The inclusion of soil type as an 

interaction term improved predictions: increases in % EPT and % clingers with 

corridor length were greater in the fine soil type streams. Richness, % EPT, % 

clingers, and % intolerant were all higher in sites with the coarse soil type. In 

addition, richness was higher at sites with smaller gaps in upstream cover. Streams 

with large upstream gaps also experienced greater increases in % EPT with corridor 

length than streams with small upstream gaps (Table 1A.2). 

Neither richness nor tolerance value (the invertebrate variables with a non-

significant response to corridor length) differed significantly between sites with and 

without tree cover when we compared them using a t-test (Table 1.1, Table 1A.2).  

Most sites failed to meet the regional reference intermittent stream values for 

% EPT and tolerance value (Figure 1.3b,d). Sixty-nine percent of samples (44 of 64) 

had a tolerance value greater than the “minimally disturbed” maximum for 

intermittent streams in the region, and 89% of samples (57 of 64) had % EPT values 

lower than the minimally disturbed intermittent stream minimum. No stream group 

had all sites within the minimally disturbed range for % EPT, and only one stream 

group was within the minimally disturbed range for mean tolerance value.  
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The most common functional feeding group across all sites was collector-

gatherer (median 30%). Shredders and grazers were both extremely rare (median 

relative abundance below 2%), so we did not model their response to tree cover.  

Differences in community composition 

The whole community ordination (NMDS) was more strongly influenced by 

stream group than tree cover treatment (Figure 1.4). When we overlaid vectors of 

environmental variables, the strongest relationships were with % fines and sand 

(R2=0.62, p=0.001) and median substrate size (R2=0.52, p=0.001), followed by 

watershed area (R2=0.49, p=.0001), and FPOM (R2=0.43, p=0.001). NMDS plots 

showed a strong clustering of the five sites with perennial flow (Figure 1.4). 

 

Discussion 

 Longer riparian corridors predicted a reduction of two highly-limiting 

stressors in aquatic ecosystems: water temperature and fine sediment. Corresponding 

increases in the relative abundances of sensitive invertebrate taxa with corridor length 

suggest that this reduction in stressors was ecologically meaningful. Although larger-

scale influences limited conditions in our sites (e.g., ongoing land use, gaps in tree 

cover, soil type), and some metrics did not differ with corridor length, our results 

suggest that increasing the length of even small-scale riparian corridors can provide 

important benefits.  
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Improvements in habitat quality with corridor length 

 High water temperatures can severely stress endangered coldwater fishes as 

well as invertebrates, and temperatures are likely to increase in the study region under 

climate change (Isaak et al. 2012; Beer & Anderson 2013). Tree corridors 

compensated for upstream unshaded reaches within relatively short distances (<1 

km), and temperatures continued to drop as corridor length increased. We were not 

able to map or account for groundwater influence in this study, but the consistent 

finding across many sites suggests that the temperature result was not groundwater 

dependent. Many of these streams dried towards the end of our temperature 

monitoring period, so these reductions occurred during one of the most stressful 

periods of the year in these streams, when temperatures are likely to be the highest.  

Fine sediment is another critical stressor in most grazed systems (Suttle et al. 

2004; Burdon et al. 2013), and we observed a substantial reduction of fine sediment 

by long narrow buffers. There are two potential mechanisms for local sediment 

reductions: either sediment is prevented from entering the channel, or once in the 

channel, sediment is removed from riffle habitats and stored elsewhere. Vegetation 

can slow erosion (Larsen et al. 2009) or filter sediment from overland flow (Sweeney 

& Newbold 2014), but in streams with fragmented tree corridors (as in this study), 

some amount of removal is likely required to meaningfully reduce fine sediment on 

riffle habitats. Once in the channel, fine sediment can be removed from riffle habitats 

and stored in pools, particularly if tree cover supports pool development through 

contributing and stabilizing dead wood in the channel (Opperman & Merenlender 
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2007). However, our model predicted fewer, shallower pools with increased corridor 

length (and a non-significant effect of tree presence), suggesting that pool 

development does not explain the reduction in fine sediment. Sediment can also be 

trapped by the vegetation during overbank flow (Pluntke & Kozerski 2003; Zong & 

Nepf 2011) and stored off-channel (Corenblit et al. 2007; Gurnell 2014), which seems 

likely given the density of growth we observed along these streams. To our 

knowledge, mechanisms for fine sediment reduction over short distances in small 

streams are not well understood, and further exploration of these mechanisms could 

be informative to managers. 

Regardless of the mechanism, the higher relative abundance of sensitive 

invertebrate taxa with greater corridor length suggests that the reductions in fine 

sediment and temperature represent ecologically meaningful improvements. The 

response of clingers and EPT to both increased corridor length and less fine sediment 

supports the findings of others that fine sediment reduces richness and favors certain 

life history traits over others (Larsen et al. 2011; Burdon et al. 2013). Although we 

did not evaluate salmonid presence or habitat explicitly in this study, fine sediment 

and temperature can also strongly limit salmonid spawning and survival (Pusey & 

Arthington 2003), and these reductions would likely benefit these fishes as well.  

 In addition to physical habitat quality (fine sediment, temperature), we were 

interested in the response of invertebrate food resources (FPOM, CPOM, chlorophyll 

a), and whether shifts of these resources would affect the relative abundances of 

functional feeding guilds of invertebrates. Although CPOM and chlorophyll a density 
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differed between exposed sites and sites with short corridor lengths, there was no 

effect of corridor length on any of the food resources metrics we included. Larger 

scale patterns that we did not include (such as changes in peak flow, nutrient loads, 

fish presence, etc.) are likely more important; for example, FPOM increased with 

upstream gap in tree cover. Correspondingly, the proportions of specialist consumers 

(many of which are sensitive to land use impacts) were low in all samples, and 

generalist collector-gatherers were dominant. Generalists can also be more tolerant of 

sediment (Larsen et al. 2011), which may help them thrive in these agricultural 

streams. 

Influence of watershed-scale condition 

 While some improvements corresponded to increasing corridor lengths, 

overall outcomes were strongly limited by watershed-scale conditions. Site conditions 

became more similar to the reference condition with the restoration or protection of 

long riparian corridors, but most sites did not match the regional intermittent stream 

least-disturbed reference condition. To permit full recovery of a stream, the source of 

the stressor (land use, in this case) would need to be removed (Beechie et al. 2010). 

Regional references were available for two of our metrics: %EPT and mean tolerance 

value. Average values for %EPT in the coarse soil type almost doubled between short 

and long corridor lengths (for the median coarse soil stream %EPT increased from 

16% to 30%), although the regional reference would require dramatic additional 

improvements (57% EPT).  
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 The lack of measured response by the two whole-community metrics we 

modeled (invertebrate richness and mean community tolerance value) may reflect 

either our lack of taxonomic resolution, or the presence of other factors limiting 

recovery. Both richness and tolerance value are often used as a measure of 

community stress, and we expected them to show an improvement with corridor 

length. However, even with higher taxonomic resolution, others have failed to find 

strong responses of invertebrate richness to tree presence (Roy et al. 2003; Kail et al. 

2015). This may be because invertebrate recovery is limited by watershed constraints, 

such as poor water quality, altered hydrology, or a lack of colonists to disperse to 

newly improved habitats (Sundermann et al. 2011; Hawley 2018).  

We purposely selected sites within a small geographic area and consistent 

land use type to minimize the influence of watershed-scale conditions, which can 

exert a strong influence on stream condition and recovery (Allan et al. 1997; 

Sundermann et al. 2013; Villeneuve et al. 2018). Sites on the same stream are likely 

to be more similar due to variation in watershed area and management practices, and 

the rapid movement of water, carrying fine sediment, warm water, nutrients, and 

dispersing invertebrates from upstream (Wilson & McTammany 2014; Tonkin et al. 

2018). However, despite our focus on a relatively homogenous study area, conditions 

varied widely between streams. The strong grouping by stream and weak grouping by 

corridor length in the ordination analysis highlighted the differences by watershed. 

The terms highlighted by the ordination as most important are set at large scales, not 

at the reach scale (watershed area, median substrate size). The strong grouping of 
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sites by stream demonstrates the value of our nested design to detect patterns that 

might have otherwise been overwhelmed by differences between streams. These 

strong patterns also highlight the importance of considering site-specific constraints 

(such as soil type) and adjusting expectations accordingly (Stoddard et al. 2006).  

 

Conclusion  

 The substantial literature that explores minimum riparian corridor widths for 

effective filtration of overland flow has largely ignored the potential benefits of 

increasing riparian corridor length to improve stream condition. Even very short 

corridors reduce water temperature and result in shifts to food resources, whereas 

long riparian corridors can support reductions in fine sediment and temperature as 

well as more sensitive invertebrate communities, with likely effects throughout the 

aquatic food web. However, we also find evidence that land use stress does continue 

to limit improvement, and we caution managers to carefully evaluate existing 

constraints and expectations. We find strong benefits of riparian corridors given the 

degraded starting condition, but we find no evidence of complete recovery with long 

corridor lengths. The similarities between sites with restored and remnant cover 

suggests that restoration of long corridors can provide many of the same benefits as 

protection of existing corridors. We also found that restored and remnant corridors 

supported similar invertebrate communities. 

Given the constraints of land use, coordinating the placement of many small 

restoration projects may enable managers to maximize improvements to stream 
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condition. In landscapes with multiple private landowners, the creation of longer 

riparian corridors could be accomplished by prioritizing restoration and protection of 

sites near existing riparian corridors. As others have suggested, regional efforts to 

support the creation and protection of long riparian corridors may help reduce land 

use stress and increase landscape connectivity with accompanying co-benefits for 

mammals, birds, and reptiles (Fremier et al. 2015). 
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Figures and tables 

 

 

 

Figure 1.1. Study design 

a) Study area in west Marin and Sonoma counties with sampling sites shown as black 

dots. b) The upstream unbuffered site (1) represents the unrestored state, and moving 

downstream along a restored (or remnant) tree corridor subsequent sampling points 

(2, 3) capture the effects of progressively longer tree corridors on stream condition.  
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Figure 1.2. Selected 

model predictions 

for habitat metrics 

as a function of 

standardized 

corridor length.  

A-D: Solid lines 

indicate coefficient 

estimates and dashed 

lines indicate 95% 

confidence intervals. 

Dots show observed 

data. Dark and light 

blue lines in A & D 

represent short and 

long gap in upstream 

riparian cover, 

respectively. Dark and 

light yellow on B 

represent coarse and 

fine soil type, 

respectively. E-H: 

Back-transformed 

model predictions for 

the average stream; 

lines show SE, and 

colors match A-D. 

Dashed line on A and 

E shows the maximum weekly mean water temperatures tolerable for salmonids 

(SFBRWQCB 2007). A and B include 2 years of data (A:N=59; C:N=64), C and D 

are from 2016 only (N=39). R2 presented for linear models only (marginal R2 is 

variance explained by fixed effects only, total R2 is variance explained by model 

overall).  
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Figure 1.3. Selected model predictions for invertebrate metrics as a function of 

standardized 

corridor length.  

Where soil type was 

significant, light 

yellow indicates finer 

soil type, tan is 

coarser soil type. A-

D: Solid lines 

indicate coefficient 

estimates and dashed 

lines indicate 95% 

confidence intervals. 

E-H: Back-

transformed model 

predictions at three 

corridor lengths for 

the average stream; 

lines show standard 

error. Grey rectangles 

represent values for 

least-disturbed 

intermittent stream 

reference condition 

in the region 

(SFBRWQCB 2007). 

N=64. Marginal R2 is 

variance explained 

by fixed effects only, total R2 is variance explained by model overall. 
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Figure 1.4. NMDS plot of sites overlaid with vectors representing environmental 

variables of interest.  

Stress = 0.16, 2 dimensions, non-metric R2=0.97. Colors represent coarse categories 

of corridor length. Connecting lines group sites within the same stream group. 

Vectors show subset of environmental variables with p<0.05 associated with the two 

NMDS axes. fpom.log is log of fine particulate organic matter, cpom.log is log of 

coarse particulate organic matter. The five sites in the blue oval have perennial flow; 

the remainder are intermittent. 
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Table 1.1. Summary of hypothesized and measured direction of response 

 to riparian tree presence and standardized riparian corridor length for each of the 11 

measured outcome variables. For statistics refer to Table A2. The results presented 

are all significant at p ≤ 0.05 (or 95% CI not crossing zero). 

 

  
 Findings 

 
 

 Outcome Hypothesis Length Covariate impact Presence1 

H
ab

it
at

 

3-week mean 

temperature 
↓ ↓ 

Effect of corridor length 

weaker as watershed-scale 

riparian cover increases 

 

Pool spacing 

(channel widths 

per pool) 

↓ ↑ None 

 

 

% fines ↓ ↓ 
Baseline shifts with soil 

type 
 

CPOM (g) ↑ = & ↑ 

Increases with corridor 

length at high watershed-

scale riparian cover 

-- 

FPOM (g) ↑ --  -- 

Chlorophyll a 

(µg/L) 
↓ -- 

  
↓ 

In
ve

rt
eb

ra
te

s 

% EPT ↑ ↑ 

Effect of corridor length 

stronger in fine soil type, 

baseline shifts with soil 

type 

 

% clingers ↑ ↑ 

Effect of corridor length 

stronger in fine soil type, 

baseline shifts with soil 

type 

 

% intolerant  ↑ ↑ 
Baseline shifts with soil 

type 
 

Tolerance value ↓ --  -- 

Rarefied 

richness 
↑ -- 

Baseline shifts with soil 

type 
-- 

 

 

                                                 
1 Assessed using a paired t-test contrasting sites with and without cover in the same stream group. T-
tests were only performed for models with no effect of corridor length. 
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Supporting information 

Table A1.1. Basic attributes and corridor lengths of the 13 stream groups. 

Watershed 

Area 

(km2) 

Flow 

Min 

buffer 

sampled 

(m) 

Max 

buffer 

sampled 

(m) 

Number 

of sites 

Mean buffer 

width (m) 

Slope 

(m/m) 

Bankfull 

width 

(m) 

Soil 

type 

Restoration 

year 
Years sampled 

1 intermittent 0 700 3 26 0.055 6 coarse Remnant 2016 

3 intermittent 0 901 4 41 0.03 5 coarse Remnant 2015, 2016 

7 intermittent 0 660 2 4 0.008 3 fine ~2005 2015, 2016 

8 intermittent 0 170 2 9 0.009 4 coarse Remnant 2015, 2016 

10 intermittent 140 630 2 18 0.005 5 fine ~1995 2016 

12 intermittent 0 4150 5 19 0.01 6 coarse ~1980 2015, 2016 

13 perennial 160 1052 2 24 0.009 8 coarse Remnant 2016 

23 intermittent 350 650 2 31 0.006 5 coarse ~2005 2016 

31 intermittent 0 640 3 10 0.007 11 coarse ? 2015, 2016 

48 intermittent 0 1136 

6 

 15 0.006 8 coarse 

~2000 & 

remnant 2015, 2016 

80 intermittent 0 280 2 5 0.003 8 fine ? 2016 
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Watershed 

Area 

(km2) 

Flow 

Min 

buffer 

sampled 

(m) 

Max 

buffer 

sampled 

(m) 

Number 

of sites 

Mean buffer 

width (m) 

Slope 

(m/m) 

Bankfull 

width 

(m) 

Soil 

type 

Restoration 

year 
Years sampled 

82 perennial 4700 6740 3 27 0.004 10 coarse Remnant 2015, 2016 

97 intermittent 0 340 3 10 0.002 13 fine ~2005 2016 
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Table A1.2. Model estimates and standard error  

for the relationship between corridor length and key habitat and invertebrate variables. All models included an intercept, tree 

corridor length/channel width, and tree presence. Where additional covariates improved the model, we indicate the model 

estimate for the interaction between the covariate and corridor length. All predictors were standardized. Stream group and year 

are included as random effects in all models as appropriate. Where we tested an interaction term and found that it did not 

improve the model, we indicate “n.s.” Blanks indicate that we did not perform the test. 

 

  Model     
Covariates, included as 

interactions with corridor length T-testb 

Outcome N Model type Intercept 

Corridor 

length/channel 

width (log) 

Interactionc 
Tree 

presenced 

Coarse soil type 

(binary) 

Length of 

upstream gap 

(log) 

Effect of tree 

presence (df=8) 

Habitat - 

physical          

 

Mean 

temperature 
59 linear 

14.57 

(0.94) 
-1.55 (0.4) 

-1.24 (0.41) 

upstream 

gap 

-0.12 (0.42)   0.59 (0.32) 

 

% fines 64 
linear, logit 

transformation 

-1.68 

(0.45) 
-1.65 (0.56) 

0.51 (0.74)   

coarse soil 

type 

1.35 (0.6) -2.27 (0.72) n.s. 

 

                                                 
b Paired t-test comparing site with no cover to nearest downstream site on the same stream, only performed where corridor length did not 
significantly predict the outcome variable 
c  Interaction between riparian corridor length and covariate (either soil type or upstream gap in riparian cover, as indicated) 
d Tree presence is collinear with corridor length, so tree presence estimates are not meaningful and are included only for completeness. 
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  Model     
Covariates, included as 

interactions with corridor length T-testb 

Outcome N Model type Intercept 

Corridor 

length/channel 

width (log) 

Interactionc 
Tree 

presenced 

Coarse soil type 

(binary) 

Length of 

upstream gap 

(log) 

Effect of tree 

presence (df=8) 

Pool spacing 

(channel 

widths per 

pool) 

39 
Gamma 

family, log link 

1.16 

(0.08) 
0.69 (0.27)  -0.67 (0.31)  n.s.  

 
Habitat - 

food 
        

 

CPOM (g) 39 
Gamma 

family, log link 

-1.44 

(0.18) 
-0.66 (0.47)  -0.51 (0.51)   n.s. 

Y (t=-3.0, p=0.02, 

mean log increase 

0.8) 

FPOM (g) 39 
Gamma 

family, log link 

-1.76 

(0.27) 
0.29 (0.43) 

0.82 (0.45) 

upstream 

gap 

-0.22 (0.44)   1.12 (0.39) 

N (t=-0.005, p=1, 

mean log decrease 

0.002) 

Chlorophyll a 

(µg/L) 
\39 

Gamma 

family, log link 

-1.44 

(0.18) 
-0.66 (0.47)  -0.51 (0.51)    

Y (t=2.4, p=0.05, 

mean log decrease 

0.4) 

          
 

Invertebrates          
 

% EPT 64 
linear, logit 

transformation 

-1.72 

(0.29) 
1.53 (0.51) 

-1.78 (0.67) 

coarse soil 

type 

-0.97 (0.55) 3.49 (0.63)  
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  Model     
Covariates, included as 

interactions with corridor length T-testb 

Outcome N Model type Intercept 

Corridor 

length/channel 

width (log) 

Interactionc 
Tree 

presenced 

Coarse soil type 

(binary) 

Length of 

upstream gap 

(log) 

Effect of tree 

presence (df=8) 

   
-2.15 

(0.56) 
1.47 (0.59) 

1.25 (0.62) 

upstream 

gap 

-0.42 (0.64)  -0.69 (0.5) 

 

% clingers 64 
linear, logit 

transformation 

-1.56 

(0.35) 
1.13 (0.51) 

-1.73 (0.68) 

coarse soil 

type 

0.01 (0.56) 1.53 (0.58) n.s. 

 

% intolerant  64 
linear, logit 

transformation 

-3.36 

(0.47) 
1.37 (0.58) 

0.09 (0.76) 

coarse soil 

type 

-0.14 (0.62) 3.61 (1) n.s. 

 

Tolerance 

value 
64 linear 

4.99 

(0.17) 
-0.4 (0.32)  0.18 (0.34)  n.s. n.s. 

N (t=0.6, p=0.5, 

mean 

decrease=0.1) 

Rarefied 

richness  
64 linear 

12.14 

(1.34) 
0.98 (1.64) 

-1.48 (2.2) 

coarse soil 

type 

0.14 (1.8) 5.22 (1.72)  

N (t=-1.4, p=0.2, 

mean 

increase=1.9) 

 

  
11.73 

(1.46) 
0.1 (1.76) 

2.96 (1.87) 

upstream 

gap 

2.02 (1.92) 

  

-2.52 (1.37) 
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Chapter 2: Meta-analysis of the effects of upstream land cover on 

stream recovery 

Abstract  

Unpredictable or variable ecosystem recovery from disturbance presents a challenge 

to conservation, particularly as the scale of human disturbance continues to increase. 

Theory suggests that land cover and disturbance characteristics should influence 

recovery, but individual studies of disturbance and recovery frequently struggle to 

uncover generalizable patterns due to high levels of site-specific variation. To 

understand how land cover, disturbance type, and disturbance duration influence 

ecosystem recovery, we performed a global meta-analysis of stream recovery from 

disturbances that affect water quality (e.g., oil spill, fire, waste water), using studies 

documenting recovery of 50 streams. We extracted upstream natural and urban cover 

percentages for each site and performed model selection and averaging to identify 

influences on recovery completeness. Most streams improved following the end of a 

disturbance but did not recover fully to baseline pre-disturbance condition within the 

studied period (median 60% of baseline). Scale of disturbance in time and space were 

not important in our models, but we found that higher percentages of upstream natural 

land cover corresponded to less complete recovery, possibly due to higher baseline 

conditions in these systems. Our findings suggest that impacts to systems with low 

anthropogenic stress may be more irreversible than impacts to already modified 

systems. We call for more long-term evaluations of ecosystem response to 
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disturbance and the inclusion of regional references and pre-disturbance reference 

conditions for comparison. A more thorough understanding of the role of the 

surrounding landscape in shaping stream response to disturbance can help managers 

calibrate expectations for recovery and prioritize protection.  

Introduction  

Human impacts to ecosystems continue to intensify, and managers often must 

choose where to allow impacts and where to prioritize ecosystem protection. Accurate 

expectations for recovery can help promote strategic choices. However, assessment of 

the relative risks and benefits is limited by incomplete knowledge of ecosystem 

recovery trajectories following a disturbance. Anthropogenic disturbances such as 

pollution, fire, and invasive species introductions can have lasting impacts on 

ecosystem condition, and accurate predictions for recovery following a disturbance 

remain elusive (Benayas et al. 2009; McCrackin et al. 2016; Meli et al. 2017; 

Moreno-Mateos et al. 2017; Jones et al. 2018). Restoration and recovery are highly 

site-specific, and there is a need for better understanding of which sites are likely to 

be particularly vulnerable and how recovery trajectories may vary.  

 Two potential influences on ecosystem recovery from a disturbance are the 

scale of the disturbance and the condition of site surroundings. The scale of a 

disturbance in time and space influences both the size of the initial impact and 

availability of dispersing organisms (Peterson 2002; Standish et al. 2014): for 

example, a landscape-scale disturbance could eliminate colonist sources much more 
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effectively than a localized disturbance, and a disturbance of long duration might 

result in more permanent alterations to species assemblages and ecosystem functions 

(Lake 2000). 

Many researchers have established the influence of surrounding land cover on 

ecosystem condition (Fahrig 2003; Leite et al. 2013), but the influence of land cover 

on ecosystem recovery has been difficult to quantify. More natural cover might speed 

recovery by creating more varied habitats that can serve as refugia (Sedell et al. 1990) 

or higher connectivity to other high quality habitats, supporting dispersal (Holl & 

Aide 2011; Leite et al. 2013). In addition, communities that are well-connected to 

high quality habitats may receive subsidies from their surroundings, promoting 

stability over time (Baxter et al. 2005). However, complete recovery could also take 

longer in sites with more natural cover because baseline conditions tend to be higher: 

higher quality habitats typically have higher species richness and support more 

sensitive species (Fahrig 2003), while the simplified communities in sites with high 

human impacts might be more tolerant or quick to recover. In this case, the different 

baselines against which recovery is assessed in highly impacted versus higher quality 

locations could create differences in the rate or completeness of recovery.  

Streams are nested within catchments and are highly sensitive to surrounding 

land cover (Allan 2004), making them particularly good model systems to evaluate 

questions about the effect of the surrounding landscape on recovery progress. Streams 

in areas with high natural cover typically also contain more sensitive species, links to 

other patches of high quality habitat, and complex habitat that contains refugia for 
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aquatic organisms such as fish and invertebrates (Urban et al. 2006). Human land 

uses affect stream ecological community composition, with increased land use 

intensity typically resulting in more tolerant, less diverse biological assemblages 

(Allan 2004; Lorenz & Feld 2013; Roy et al. 2016). Thus, human land use is also 

likely to affect stream recovery and reassembly patterns.  

To assess the influence of disturbance scale and land cover on stream 

recovery, we conducted a meta-analysis examining the response of stream ecosystems 

to disturbance. We limited our assessment to disturbances affecting stream condition 

primarily through their effect on water quality (such as oil spills, waste water 

discharges, and experimental pollution) because water quality impacts occur at a 

range of spatial and temporal scales and are common across a broad range of 

landscape types, from highly natural to highly altered contexts. The influence of land 

cover on recovery can be difficult to determine from an individual study because of 

site-specific variation and the difficulty of conducting a single research project across 

a variety of land cover types. Meta-analysis is a powerful tool that allows the 

combination of results across studies and settings to detect patterns that may be 

contradictory, weak, or otherwise not captured within an individual study. Although a 

few meta-analyses have evaluated stream recovery (e.g. Miller et al. 2010; Smucker 

& Detenbeck 2014; Sievers et al. 2017), only one included information on land cover 

type. Miller et al. (2010) used coarse categories indicated by study authors to 

categorize land cover types. They found that streams in forested sites did improve, 

but they found no significant differences among land cover types. In this study, we 
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create standardized assessments of surrounding land cover to explicitly evaluate 

whether scale of disturbance and type of surrounding land cover affects the ability of 

streams to reach the pre-disturbance or goal condition (complete recovery) following 

disturbances that affect water quality.  

We asked the following questions: 1) How much recovery is achieved by 

streams following disturbances that affect water quality?  2) How do surrounding land 

cover and scale of disturbance in time and space affect stream recovery? Together 

these questions can help identify vulnerable sites and those that are likely to recover. 

Methods 

Study selection 

We conducted a search for stream recovery studies using Web of Science on 

September 26, 2016. We performed a topic search for papers in English using terms 

for stream (stream or river or aquatic or creek) recovery (recover* or restor*) from a 

disturbance impacting water quality (pollut* or “water quality”) worldwide. We 

reviewed papers covering a broad suite of disturbances that impact rivers primarily 

through impacts to water quality, as described by study authors (e.g. mining spill, oil 

spill, logging). Because our primary interest was the ecological response, we also 

included a term for an ecological indicator (abundance or diversity or ecolog* or 

richness or similarity or composition), which excluded those papers focusing solely 

on water quality recovery. Thus, the search included terms for stream + recovery + 

water quality + ecological and returned 1,643 papers.  
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We retained 29 papers for extraction using the following criteria (Fig. A2.1): the 

paper 1) presents quantitative data on in-stream biological condition of a stream or 

river, 2) documents recovery from a disturbance that affects water quality, including 

data from at least two time periods after the disturbance ended, 3) includes a 

reference condition (using either a nearby site or pre-disturbance data at the impact 

site), 4) is not a mesocosm (there must be a catchment affecting stream condition), 

and 5) includes information adequate to place the site in a GIS. We combined these 

papers with similar databases of published studies from Jones et al. (2018) and Meli 

et al. (2014), which were more general meta-analyses but included some studies of 

stream recovery from a water quality disturbance. Our final database contained 37 

studies that document 50 streams recovering from disturbances affecting water 

quality.  

Data extraction 

For each recovered stream, we collected data describing three states: impacted 

(immediately after the cessation of the disturbance), recovered (the last time point 

recorded by the authors), and reference (a site not subject to the disturbance). The 

“reference” condition was either the same site before the disturbance or a nearby site. 

Some studies followed a before-after-control-impact design and included two un-

impacted references. In those cases, we chose the same-site, pre-disturbance data as 

the reference. In cases where there were multiple reference sampling sites on the 

same stream, we chose the site closest to the water quality disturbance source. In 

cases with multiple data collection efforts over time, we chose the earliest post-
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disturbance data point as “impacted” and the last data point as “recovered”, while 

matching for season when possible. We extracted data from figures using DataThief 

v1.7 (Tummers 2006). We extracted data for all response variables that the study 

authors used to measure recovery. Where provided within a study also describing 

ecological condition, we collected data on water quality and physical habitat so that 

we could compare these to biotic condition. 

Effect size calculation 

In meta-analysis the log response ratio is a measure of effect size, which 

represents the difference between the control and treatment case for the variable of 

interest (Gurevitch & Hedges 2001). Response ratios are a standard unitless approach 

to scale the values of response variables so that effect sizes for many different types 

of response variables can be compared (Hedges et al. 1999; Gurevitch & Hedges 

2001). Response ratios do not require estimates of standard error, an important 

consideration, as most data in our study lacked error estimates.  We calculated 

recovery completeness using a response ratio comparing the recovered and initial 

baseline state (ln(recovered/reference)). For comparison, we also calculated 

improvement over the perturbed condition (ln (recovered/impacted)). Finally, we 

calculated the relative impact magnitude (ln (impacted/reference)). As other recent 

restoration meta-analyses have done (Meli et al. 2017), we reversed the sign for 

variables whose values increased rather than declined under disturbance. Recovery 

assessments are presented in the text in back-transformed values for easier 

interpretation. All plots and models use the original log ratios. 
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Eighteen percent of our dataset (105 responses) included zero values, which 

represent meaningful data. To avoid undefined response ratios we added 0.01 to the 

numerator and denominator of all values (Fig. A2.2).  

Predictor variables 

To characterize the surrounding landscape, we used information within each 

paper to spatially locate each study site, and used ArcGIS online to calculate the 

catchment area and ESRI ArcMap to calculate land cover upstream of each site, using 

existing stream and land cover datasets. We calculated two cover types: natural cover, 

which we define as all non-urban and non-agricultural land cover types (including 

forest, wetlands, grasslands, scrub, tree plantations), and urban cover, because urban 

cover is frequently particularly stressful to aquatic ecosystems (Walsh et al. 2005). 

Although tree plantations may function very differently than natural forests, most 

datasets did not distinguish the two, so we refer to all non-urban and non-agricultural 

lands as “natural cover.” We extracted land cover percentages at a variety of buffer 

widths. However, both percent natural cover and percent urban cover were consistent 

across scales so we selected one representative scale for each land cover type (Fig. 

A2.3). The representative scale was chosen for its high correlation with other scales 

(natural cover: 600m wide and 1km upstream; urban cover: 120m wide and 5km 

upstream). 

In addition to information on land cover, we collected information on study 

design and disturbance characteristics (Table 2.1, Table 2.2). To assess the 

importance of disturbance scale, we categorized the water quality disturbance in each 
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study as either point source (from a single, identifiable point, such as a drainage 

pipe), or nonpoint source (a more diffuse landscape-scale impact, such as fire). We 

also included the log response ratio for impact magnitude (see above) as a covariate. 

Impact magnitude is the impacted condition scaled to the reference condition so that 

it can be compared across studies and metric types. We included this term so that we 

could account for differences in impact to more meaningfully compare recovery 

across studies, and expected higher impact magnitude to result in lower recovery 

completeness.  

 Prior to model construction, we assessed the correlation of our predictor 

variables using the R package corrplot (Wei & Simko 2016). We found high 

correlation (Pearson’s r = -0.6) between catchment area and natural land cover – 

larger catchments had lower percentages of natural cover. To assess which variable 

was a better predictor, we compared the full model with natural cover as a predictor 

to the full model with catchment area as a predictor. Natural cover had a lower AICc 

score (delta AICc=4.5), so we used natural cover only in our models, acknowledging 

that some of the effect may be due to differences in catchment area. 

Meta-regression 

We constructed two types of models. First, we used meta-regression to model 

both overall recovery completeness and overall improvement. We constructed a 

simple model for each, with response metric type as fixed effect and a site-level 

random effect to account for non-independence of multiple observations from the 

same site (Zuur et al. 2009).  
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Second, we constructed a “full” model to assess which factors predicted recovery 

completeness, including response metric type, impact magnitude, % natural cover, % 

urban cover, point source vs. nonpoint source, study duration, reference type, and 

disturbance duration as fixed effects, and site as a random effect (Table 2.2). To 

enable comparison of the importance of different predictors, we standardized all 

continuous terms ((x-mean(x))/ 2sd(x)) (Gelman 2008). Our full model contained two 

categorical variables: metric type and reference type. In both cases, we set the largest 

category as the reference level: abundance is the reference level of metric type, and 

pre-disturbance is the reference level of reference type. Models were constructed 

using the R package metafor (Viechtbauer 2010). All analyses were completed using 

R 3.4.3 (R Core Team 2017).  

 We  compared subsets of the full model using the bias-corrected Aikake 

Information Criterion (AICc) (Burnham & Anderson 2002), and the R package 

glmulti (Calcagno 2013). We forced the inclusion of metric type in every model but 

evaluated all combinations of the other variables. There was no clearly preferred 

model, so we selected models within 2 AICc values of the lowest AICc score, and 

used these to calculate model-averaged coefficients weighted by the relative AICc 

scores (Burnham & Anderson 2002; Grueber et al. 2011). We used these model-

averaged coefficients to evaluate the relative importance of different predictors. 

Model-averaged coefficients can be misleading where terms are collinear (Cade 

2015), so we also present the full and the top model to aid interpretation (Table 2.A2). 

We evaluated model residuals for fit, leverage, and skew; there were no influential 
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outliers. Although funnel plots and other assessments of publication bias are typically 

recommended for meta-analysis, they are ineffective for random effects models and 

for models with missing variance and multiple effect sizes per study as we have here 

(Lajeunesse 2009). 

Meta-analysis requires an estimate of within-study variance to weight studies 

(Gurevitch et al. 2018). However, only 96 of our 575 data points (17%) included 

estimates of error. Using metafor, we constructed models using the known variance 

where possible, and using the model to estimate a uniform variance for the points 

with unknown variance (Viechtbauer 2010). We then assigned this model-estimated 

variance to all points with missing variance prior to completing model selection. We 

performed two checks on our variance estimate. To assess model sensitivity to the 

estimated variance value, we re-ran the top-selected model with estimated sampling 

variance 1/5 and 2x the model-determined value. Estimates were qualitatively the 

same, so we used the model-assigned values (Fig. A2.4). Second, since the true 

variance for those points where variance is unknown is not likely to be uniform across 

studies, we applied a cluster-robust variance correction to data grouped at the level of 

the study (Angrist & Pischke 2009; Viechtbauer 2010): we assumed that errors are 

more likely to be correlated within a study, due to similar data collection methods. 

We present results with this corrector in the text; results both with and without are in 

Table A2.2. We were unable to apply the robust corrector during model selection; 

instead we applied this corrector to the top selected model (Table A2.2). 
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To explore whether impact magnitude also varied by land cover, we performed a 

secondary analysis modeling impact magnitude using the same set of terms (metric 

type, study duration, point source vs nonpoint source, reference type, disturbance 

duration, natural cover, urban cover) and performed model selection and model 

averaging using the same methods described above. 

Results 

Summary of dataset 

The final dataset includes 37 studies, documenting the recovery of 50 streams, 

of which 26 were in the were in the US and 11 in Europe, with the remainder in 

Argentina (6), Malaysia (3), Australia (2), New Zealand (1), and Canada (1). Only 3 

study sites were in the tropics, and only 3 study sites had non-perennial flow.  

The studies reported a total of 575 responses that met our criteria. Abundance 

of one or more types of organisms was the most common response metric (60% of 

responses), and macroinvertebrates were the most common taxonomic group studied 

(56% of responses, and measured in some way in 31 of the streams) (Fig. A2.5). Nine 

streams were affected by natural disturbances (fire=2 streams, hurricane=1, and 

volcanic eruption=6) whereas the remainder were human-caused, including logging 

(4), experimental treatments of biocide (3), and nutrients (2), as well as opportunistic 

studies of recovery from spills (8), waste water discharges (7), logging (7), and 

mining (7). When we assessed natural cover by disturbance category, each category 

occurred either only in high natural cover sites or across a broad range of percent 

natural cover (Fig. A2.6).  
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Forty-two percent of sites (21 sites) were compared to pre-disturbance 

conditions; the remainder were compared to a nearby reference on another stream 

(32%) or an upstream reference on the same stream (26%). None of the sites were 

actively restored. 

The median study duration (elapsed time between initial post-disturbance and 

final post-disturbance data collection) was 2 years, and study duration ranged from 20 

days to 62 years post-disturbance (IQR= 1 - 3.8 years, mean ± sd = 5.3 ± 9.9). Seven 

streams were monitored for more than 10 years, and seven for less than one year. 

 

Do streams recover following a disturbance affecting water quality? 

The median site recovered to 60% of reference condition when averaged 

across all measured responses (mean site = 60%, CI=51, 71). Although most sites did 

not recover completely, 30% of measured responses achieved “over-recovery” - a 

final state above the reference condition. In addition, most sites did improve after the 

disturbance ended: the median site improved to 240% of disturbed condition (mean = 

337%, CI=236, 480).  

 There were no significant differences between recovery of abundance and 

other metrics (Table A2.2), but biotic integrity, diversity, and water quality recovered 

to reference condition on average, while abundance and diversity did not (Fig. 2.1a). 

Abundance, diversity, and water quality improved significantly over the disturbed 

condition, while biotic integrity and physical habitat metrics did not (Fig. 2.1b). 
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When we evaluated only fish and invertebrate abundance, neither recovered 

completely (Fig. A2.7).  

Influences on recovery 

Recovery to the level of the pre-disturbance baseline (recovery completeness) 

was predicted by higher impact magnitude, less natural cover, and metric type (Fig. 

2.2, Table A2.2, Table A2.3). As natural cover increased, recovery completeness 

decreased (Fig. 2.3). Recovery completeness also declined with longer study duration, 

suggesting that systems that fail to recover are studied for longer. Point source vs. 

nonpoint source was included in the top model set but had no clear effect on 

recovery: confidence intervals were much larger than the coefficient estimate. 

The top selected model for recovery completeness (metric type + impact 

magnitude + natural cover + study duration) was better than the model with metric 

type and impact magnitude only (delta AICc=7). With the cluster-robust estimator 

applied to the top selected model, confidence intervals for study duration crossed 

zero, but natural cover and impact magnitude were still important (Table 2.A2).  

When we modeled influences on impact magnitude, more urban cover and less 

natural cover predicted higher impact magnitude, although 95% confidence intervals 

on the model-averaged model coefficients crossed zero (Table 2.A4). Shorter study 

duration and use of a nearby or upstream (rather than pre-perturbation) reference also 

predicted higher impact magnitude.  

Discussion 
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Overall, we found that streams improved but did not recover fully following 

disturbances affecting water quality. In addition, we found that streams with higher 

percentages of upstream natural cover were less likely to recover to the pre-

disturbance baseline condition, but also less likely to experience severe impacts. 

Measuring stream recovery  

Overall, streams failed to recover to baseline. Other recent reviews and meta-

analyses looking at other types of disturbances have found low recovery 

completeness in wetlands (Moreno-Mateos et al. 2012), forests (Meli et al. 2017), and 

multiple ecosystem types (Benayas et al. 2009; Jones et al. 2018). Meta-analyses and 

reviews of active stream restoration have similarly found either mixed results (Miller 

et al. 2010; Palmer et al. 2010; Smucker & Detenbeck 2014; Sievers et al. 2017) or 

lack of improvement (Stranko et al. 2012). We found improvement of most metrics 

and some cases of complete recovery: our focus on a discrete, reversible impact likely 

contributes to our more positive findings.  

Measured recovery completeness might have increased if the study period had 

been longer. Ecosystems typically recover over decades to centuries or longer (Jones 

& Schmitz 2009), but  studies in our database were overwhelmingly short-term, with 

almost 50% (24 studies) lasting less than two years, and 18% lasting less than one 

year. In many cases, the final condition captured in these studies is likely not true 

recovery. However, recovery completeness did not improve with longer study 

duration. Instead, we found a (weak) negative relationship between study duration 

and recovery completeness. To better evaluate recovery, longer studies are needed, a 

call echoed by much of the restoration ecology literature (Bernhardt et al. 2007).  
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Our results also point to three important components of study design. First, the 

choice of metric type affected measured stream recovery: abundance did not recover 

fully, while diversity and biotic indices did, and fish recovered slightly more than 

invertebrates. Most metrics in our analysis related to ecological structure rather than 

function, which may reflect the fact that our search terms related more strongly to 

structure than function. A more in-depth evaluation of the recovery of ecological 

function might reveal different patterns.  

Second, our findings show that the choice of how we calculate recovery 

influences the patterns we observe. Although we restricted our sample to studies that 

included both a degraded reference (impacted site) and an unaffected reference 

(reference site), the degraded condition and unaffected reference condition are each 

frequently used individually as baselines in the restoration literature (Miller et al. 

2010; Weber & Peter 2011; Morandi et al. 2014; Suganuma & Durigan 2015). These 

two different measures of the ecosystem recovery process – improvement (vs. 

degraded condition) and recovery completeness (vs. reference condition) – showed 

different patterns in our dataset: for example, abundance showed high improvement 

and low recovery completeness. We urge researchers and practitioners to continue to 

use BACI and other designs with multiple reference types whenever possible to 

ensure capture of both improvement and progress towards the target reference 

condition.  

Finally, our analysis was limited by data availability. Better reporting of study 

statistics (including sampling error and sample size) would have strengthened our 



 

50 

 

ability to draw conclusions from this analysis (Gerstner et al. 2017). In addition, our 

study sites were heavily biased towards temperate and perennial streams; patterns for 

tropical or temporary streams may differ. Due to the limited available data, our results 

are only suggestive, and we hope that in future, more detailed work will be possible 

to further explore these questions. 

Influence of land cover and disturbance scale on recovery 

More natural cover predicted less complete recovery. We explored whether 

impacts were also more severe in areas with natural cover, but found that more 

natural cover (or less urban cover) weakly predicted less severe impacts. Together, 

these findings suggest that streams with more upstream natural cover are likely to be 

more stable over time, but may fail to recover fully. Disturbances in already degraded 

ecosystems are more likely to have a temporary effect, while disturbances to natural 

ecosystems may be more irreversible. These findings emphasize the importance of 

avoiding impacts to high quality ecosystems. 

The more complex and diverse communities typically found in streams with 

lower human impacts may explain the lower recovery and lower impacts in these 

systems. Stream condition varies predictably with land cover (Allan 2004; Norton et 

al. 2009) (but see Baker 2005), with increasing richness and abundances of sensitive 

taxa as anthropogenic cover in a catchment decreases (Paul & Meyer 2001; Roy et al. 

2003). Streams with a high quality baseline condition are effectively held to a higher 

standard of recovery, with a larger complement of species (Stoddard et al. 2006); but 

a larger complement of species also means that the loss of a couple of species would 
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result in a smaller measured impact magnitude. To allow direct comparison of 

recovered conditions across streams, studies need to include a regional reference. 

Researchers working in a variety of ecosystems have called for the use of a regional 

“quantitative optimum” reference representing best attainable regional condition 

(Stoddard et al. 2006; Morandi et al. 2014). The use of a regional reference condition 

would have allowed us to quantify the condition of each stream and separate the 

effects of initial condition and surrounding cover on recovery. Although a few of the 

studies in our database did include a regional reference (e.g., Arce et al. 2014), most 

did not, limiting the conclusions we could draw about ecosystem condition.  

Less complete recovery in more natural areas could also occur because 

streams with more natural cover have more sensitive, specialist, and rare species (Roy 

et al. 2003), so that recolonization may take more time or might never reassemble the 

original species composition. Less sensitive and more homogenous taxa are likely to 

be widespread in streams with high anthropogenic land use (Urban et al. 2006), and 

these communities may be more resilient to additional disturbance because all of the 

intolerant species have already been lost (Stoddard et al. 2006). In this study, natural 

cover was correlated with small catchment area, so some of the observed effect may 

also indicate that headwaters are less able to recover to baseline, possibly because 

they lack upstream sources of colonists.  

To further explore these results, we call for studies of stream recovery across a 

broader variety of stream types. The effect of natural cover on recovery completeness 

may interact with hydrological variability, particularly for intermittent streams 
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(Matono et al. 2012). Although our study included a range of upstream catchment 

area sizes, most were perennial, temperate streams, and patterns might differ by 

climate and flow regime. 

The scale of disturbance in time and space did not predict recovery 

completeness. We expected long-lasting and large-scale disturbances (such as chronic 

nonpoint source water pollution) to result in less complete recovery. However, our 

results suggest that landscape condition and data collection methods have a larger 

influence on measured recovery than disturbance scale.  

Our results echo the findings of others (e.g., Jones et al. 2018) that ecosystem 

recovery following disturbance is uncertain and often incomplete. Catchments with 

more natural cover may be less able to return to baseline conditions than catchments 

with extensive human land use and already simplified communities, so avoiding 

impacts in natural systems may be even more critical than in already modified 

streams. The limited number of studies available for this meta-analysis highlights the 

need for more rigorous studies of ecosystem improvement to support strategic 

conservation investments in the future. 
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Figures and tables 

Table 2.1. Response metric categories with frequencies and examples.  

The five super-categories were used in analysis; frequencies represent total data 

points within each category. 

 

 

Category Frequency Example 

Abundance 351   

      

Abundance  259 Abundance of collector gatherers 

      Density 49 Mean density of trout 

      Production 31 

Bedrock substrate annual production of 

scrapers (g AFDM/m2/yr) 

      Biomass 6 

Habitat weighted biomass of insects (g 

AFDM/m2) 

      Growth 5 

Arctic grayling cohort-specific growth rate 

(% /day) 

      Percent 

cover 1 Bryophyte cover (%) 

Diversity 98   

      Richness 79 Number of Mollusca taxa 

      Diversity 15 Shannon-Wiener diversity of diatom 

Community       

composition 4 % Ephemeroptera richness 

Biotic integrity 47   

      Health 14 Fish stomach fullness 

      Index 25 

Ecotoxicological rating (includes inverts, 

water quality) 

      Survival 8 Asian clam % survival 
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Category Frequency Example 

Physical 

habitat 43   

      Organic 

matter 33 

Volume of large wood within bankfull width 

(m3m-2) 

      Sediment 7 Unit channel sediment storage (m3m-2) 

      Channel 3 Mean bankfull width (m) 

Water quality 36   

      Pollution 20 Copper concentration in water mg/L 

      Nutrients 16 

Concentration of nitrate and nitrite (µg 

N/L) 

 

  



 

55 

 

Table 2.2. Summary of terms included in the models,  

including both predictor and response variables; all models also included site as a 

random effect. 

 

Term Type Transformatione Method of evaluation 

Predictors 
   

      Metric typef Categorical, 

5 levels 

-- See Table 2.1. Categories are 

abundance, diversity, biotic 

integrity, physical habitat, water 

quality 

      Natural cover 

(%) 

Continuous none Extracted from existing land 

cover datasets, evaluated cover 

1 km upstream and 600 m wide. 

See Table A1. 

      Urban cover 

(%) 

Continuous none Extracted from existing land 

cover datasets, evaluated cover 

5 km upstream and 120 m wide. 

See Table A1. 

      Reference type Categorical, 

3 levels 

-- Designates whether the 

undisturbed reference is nearby, 

upstream, or a pre-disturbance 

measurement 

Point source 

vs. nonpoint 

source 

Binary -- Assigned based on the spatial 

scale and type of the 

disturbance to water quality 

Disturbance 

duration (years) 

Continuous log Number of years from beginning 

to end of disturbance to water 

quality 

      Study duration 

(years) 

Continuous log Time between "impacted" and 

"recovered" measurements 

      Impact 

magnitude 

Response 

ratio 

log ln (impactedg / referenceh) 

                                                 
e All continuous terms were standardized: (x-mean(x)) / 2*sd(x) 
f Metric type was included in all models, other terms were included only in full model. 
g “Impacted” refers to the earliest data taken following the end of the disturbance. 
h “Reference” refers to data taken at the reference site (either nearby, upstream, or pre-disturbance), 
and represents the pre-disturbance baseline. 
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Term Type Transformatione Method of evaluation 

    

Responses 
   

      Recovery 

completenessi 

Response 

ratio 

log ln (recoveredj / reference) 

      Improvement Response 

ratio 

log ln (recovered / impacted) 

      Impact 

magnitude 

Response 

ratio 

log ln (impacted / reference) 

  

                                                 
i Primary response variable used in this study. 
j “Recovered” refers to latest data taken following the end of the disturbance. 
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Figure 2.1. Mean effect size by response metric type 

 for a) recovery completeness and b) improvement over degraded condition. Dashed 

line in (a) represents complete recovery; in (b) represents no improvement. Error bars 

represent cluster-robust 95% CI, and estimates are considered different from zero if 

CI do not overlap zero. Numbers indicate number of data points (number of sites).  
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Figure 2.2. Model-averaged regression coefficients 

 (bars) +/- 95% CI (lines) for the top predictors of recovery completeness (delta AICc 

= 2). Predictors have been standardized so that coefficients can be directly compared, 

and estimates are considered different from zero if confidence intervals do not 

overlap zero. Models also include metric type; see Table A3. 
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Figure 2.3. Estimated effect of land cover on recovery  

to pre-disturbance baseline. Solid line is top-selected model estimate and dashed lines 

show robust 95% CI. Other terms in the top-selected model included metric type, 

study duration, and impact magnitude.  
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Supporting information 

Figure A2.1. PRISMA diagram showing study selection process.  
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Figure A2.2.  Comparison of raw and transformed values (+0.01) for recovery 

completeness.  

Adding a small number to zero values is commonly done in recovery meta-analyses 

(Meli et al. 2017; Jones et al. 2018). To assess changes to the distribution, we plotted 

the raw and transformed response ratios against each other, and evaluated 

standardized recovery completeness effect sizes against the normal quantiles to 

compare the distribution of data with and without the transformation. We also 

compared the median and confidence intervals of the transformed distribution with 

zeros to the nonzero untransformed dataset using a Wilcoxon rank sum test, and 

found no difference at the p=0.05 level. Including the zero values and transformed 

data resulted in a shift of median recovery from -0.18 (no zeros) to -0.2 (zeros 

included).  
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Figure A2.3. Land cover correlation matrix across all calculated scales,  

showing Pearson’s correlation coefficients as percentages. Buff60_500m_Natural 

represents percent natural land cover within a buffer extending 60m either side of the 

stream and 500m upstream of the site. Each site is represented by one data point. Data 

are arranged such that more similar scales are clustered together. Boxes indicate the 

scales used in the analysis. 
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Figure A2.4. Model sensitivity to estimated variance 

83% of our datapoints lack estimates of variance, which is required for meta-analysis. 

We used the metafor package to estimate a constant variance for these data in the 

process of fitting the full model (Viechtbauer 2010). In model selection we applied 

this estimate to all of those data lacking variance. Since this was only an estimate, we 

tested the sensitivity of the top selected model coefficients to different variance 

values. We fit the model using the estimated value (3.38), and then refit the model 

using twice the variance and 1/10th the variance. In all cases, we retained the original 

estimates for those 17% of data containing variance. The figure below shows the 

model estimates and 95% confidence intervals for each of the top selected predictors 

of recovery completeness using models fit with each of the three variance estimates. 

Despite some variation in values, our conclusions are unchanged.  
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Figure A2.5. Frequency of each response metric type and taxonomic group  

within the dataset. Each study contains multiple response metrics.  
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Figure A2.6. Type of impact to water quality plotted against % natural land 

cover. 

Each site is represented by one dot. 
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Figure A2.7. Recovery completeness of fish and invertebrate abundance  

Model estimate and robust 95% confidence intervals for fish and invertebrate 

abundance. 

  



 

67 

 

Table A2.1. Data sources and resolution for land cover and stream network by 

region. 

Cover in the following countries or regions was estimated from aerial imagery due to 

poor quality or unobtainable land cover datasets: Alaska, Argentina, Brazil, and 

Malaysia. 

 

Region Data type Data layer Source Resolution 

USA Land cover 

National Land 

Cover Database 

(NLCD) 2006 

Multi-Resolution 

Land 

Characteristics 

Consortium 30 x 30m 

 Hydrology 

National 

Hydrography 

Dataset (NHD) 

U.S. Geological 

Survey  

Europe Land cover 

Corine Land Cover 

2006 

European 

Environment 

Agency 100 x 100m 

 Hydrology 

Catchment 

Characterization and 

Modeling (CCM) 

v2.1 

Joint Research 

Center  

Canada Land cover 

Provincial 

Landcover 2000 

Ontario Ministry 

of Natural 

Resources 25 x 25m 

 Hydrology 

Ontario Integrated 

Hydrology Data, 

2012 

Ministry of 

Natural 

Resources and 

Forestry  

Australia Land cover 

Victorian Land Use 

Information System 

2014/ 2015 

Department of 

Economic 

Development, 

Jobs, Transport, 

and Resources  

 Hydrology 

National Surface 

Hydrology Database 

Geoscience 

Australia  

New 

Zealand Land cover 

Land Cover 

Database v4.1 

Land Resource 

Information 

Systems Portal 1 ha 
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Region Data type Data layer Source Resolution 

 Hydrology 

River Environment 

Classification v2.0 

(REC2) 

National Institute 

of Water and 

Atmospheric 

Research 30m DEM 
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Table A2.2. Recovery completeness models with robust correction.  

All factors have been standardized (subtract the mean and divide by 2 sd), to enable direct comparison of coefficients. 

Columns present the three standard and robust-correction meta-regression models for recovery completeness: response metric 

type only, the full model, and the top model-selection model. Reference (intercept) levels are set at abundance for response 

type and pre-perturbation for reference type. P-values indicated as follows: ***(0-0.001), ** (0.0011-0.01),  *(0.011-0.05),   .  

(0.051-0.1).  

 

Terms Response only 

Robust 

response 

only Full model Robust full model 

Top selected 

model 

Robust top 

selected 

model 

Intercept -0.51 (0.08)*** -0.51 (0.2)* 

-0.64 

(0.15)*** -0.64 (0.32). -0.55 (0.08)*** -0.55 (0.2)* 

Broad metric 

      
Biotic integrity (vs 

Abundance) 0.2 (0.05)*** 0.2 (0.18) 

-0.15 

(0.06)* -0.15 (0.29) -0.15 (0.06)* -0.15 (0.26) 

Diversity (vs 

Abundance) 0.28 (0.05)*** 0.28 (0.2) 0.06 (0.06) 0.06 (0.24) 0.05 (0.06) 0.05 (0.22) 

Physical (vs. 

Abundance) -0.24 (0.26) -0.24 (0.27) -0.28 (0.3) -0.28 (0.42) -0.23 (0.26) -0.23 (0.31) 

Water quality (vs. 

Abundance) 0.25 (0.3) 0.25 (0.22) 0.19 (0.29) 0.19 (0.28) 0.23 (0.29) 0.23 (0.28) 

Natural cover 

  

-0.44 (0.2)* -0.44 (0.25). -0.48 (0.15)** -0.48 (0.22)* 

Urban cover 

  

0.02 (0.26) 0.02 (0.28) 

  
Reference type 
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Nearby (vs pre) 

  

0.16 (0.24) 0.16 (0.29) 

  
Upstream (vs pre) 

  

0.21 (0.25) 0.21 (0.31) 

  
Point source (vs. 

nonpoint source) 

  

0.01 (0.23) 0.01 (0.35) 

  
Disturbance duration 

(log) 

  

-0.04 (0.19) -0.04 (0.29) 

  

Study duration (log) 

  

-0.29 

(0.14)* -0.29 (0.31) -0.27 (0.13)* -0.27 (0.22) 

Impact magnitude 

  

-1.3 

(0.12)*** -1.3 (0.69). -1.28 (0.12)*** -1.28 (0.62)* 



 

71 

 

 

Table A2.3. Top selected models (a) and model averaged coefficients (b) for 

recovery completeness. 

Models within 2 AICc scores of the top model were retained and are presented below. 

Akaike weights sum to one over the total model set, and represent the relative weight 

of each model. We forced the inclusion of metric type in each model. Each model 

contains an identical random effect term representing study site. 

a 

Top selected models for recovery completeness AICc 
delta 
AICc weight 

Metric type + natural cover + impact magnitude + study 
duration (log) 2725.18 0 0.23 
Metric type + natural cover + impact magnitude + study 
duration (log) + point source 2726.39 1.21 0.12 

 

 

b 

 

  Estimate Importance CI 

Intercept -0.57 1 (-0.76, -0.38) 

Broad metric    

Biotic integrity (vs. Abundance) -0.15 1 (-0.27, -0.03) 

Diversity (vs. Abundance) 0.05 1 (-0.06, 0.16) 

Physical (vs. Abundance) -0.22 1 (-0.73, 0.29) 

Water quality (vs. Abundance) 0.22 1 (-0.35, 0.79) 

Impact magnitude -1.28 1 (-1.51, -1.05) 

Natural cover -0.45 1 (-0.75, -0.15) 

Study duration (log) -0.26 1 (-0.51, -0.01) 

Point source (vs. nonpoint source) 0.05 0.35 (-0.14, 0.24) 
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Table A2.4. Top selected models (a) and model-averaged coefficients (b) for 

impact magnitude 

Models within 2 AICc scores of the top model were retained and are presented below. 

Akaike weights sum to one over the total model set, and represent the relative weight 

of each model. We forced the inclusion of metric type in each model. Each model 

contains an identical random effect term representing study site. 

a 

Top selected models for impact magnitude 
delta 
AICc weight 

Metric type + reference + urban cover + study duration 0 0.17 
Metric type + reference + urban cover + study duration + 
natural cover 0.79 0.11 

Metric type + reference + study duration + natural cover 1.41 0.08 

Metric type + urban cover + study duration 1.62 0.07 

Metric type + urban cover + study duration + natural cover 1.98 0.06 
Metric type + reference + urban cover + study duration + 
point source (vs. nonpoint source) 1.99 0.06 

 

b 

  Estimate Importance CI 

Intercept 1.69 1 (1.13, 2.24) 

Broad metric    
Biotic integrity (vs. Abundance) -1.26 1 (-1.36, -1.15) 

Diversity (vs. Abundance) -0.89 1 (-1.01, -0.78) 

Physical (vs. Abundance) -0.58 1 (-1.34, 0.18) 

Water quality (vs. Abundance) -0.69 1 (-1.31, -0.06) 

Study duration (log) -0.62 1 (-1.03, -0.2) 

Urban cover 0.79 0.85 (-0.2, 1.79) 

Ref - upstream 0.58 0.76 (-0.3, 1.47) 

Ref - nearby 0.37 0.76 (-0.37, 1.11) 

Natural cover -0.28 0.46 (-1.06, 0.5) 

Point source (vs. nonpoint source) -0.02 0.11 (-0.15, 0.12) 
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Table A2.5. Papers included in the meta-analysis: 

Adams SM, Ryon MG, Smith JG. 2005. Recovery in diversity of fish and invertebrate 

communities following remediation of a polluted stream: Investigating causal 

relationships. Hydrobiologia 542:77–93. 

Adams SM, Ham KD. 2011. Application of biochemical and physiological indicators 

for assessing recovery of fish populations in a disturbed stream. Environmental 

Management 47:1047–1063. 

Arce E, Archaimbault V, Mondy CP, Usseglio-Polatera P. 2014. Recovery dynamics 

in invertebrate communities following water-quality improvement: Taxonomy- 

vs trait-based assessment. Freshwater Science 33:1060–1073. 

Benstead JP, Green AC, Deegan LA, Peterson BJ, Slavik K, Bowden WB, Hershey 
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enrichment. Freshwater Biology 52:1077–1089. 

Carreira JA, Viñegla B, García-Ruiz R, Ochoa V, Hinojosa MB. 2008. Recovery of 

biochemical functionality in polluted flood-plain soils: The role of microhabitat 
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Biology and Biochemistry 40:2088–2097. 

Champeau THR, Stevens PW, Blewett DA. 2009. Comparison of fish community 

metrics to assess long-term changes and hurricane impacts at Peace River, 

Florida. Florida Scientist 72:289–309. 
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Constantine JA, Pasternack GB, Johnson ML. 2005. Logging effects on sediment flux 

observed in a pollen-based record of overbank deposition in a northern 

California catchment. Earth Surface Processes and Landforms 30:813–821. 

Davies PE, Nelson M. 1993. The effect of steep slope logging on fine sediment 
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of Marine and Freshwater Research 373:507–520. 
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Chapter 3: Where and why does restoration happen? Ecological and 

sociopolitical influences on stream restoration in coastal California 

Abstract  

The distribution of conservation effort on the landscape is affected by both ecological 

and social priorities and constraints. Together these influences can result in bias 

towards certain types of ecological or human communities. We evaluate the 

distribution of restoration projects on the California Central Coast, USA, to evaluate 

sociopolitical and biophysical influences on the type and distribution of one type of 

conservation effort. We compiled data on 700 publicly funded stream restoration and 

management projects completed in the past 30 years and the biophysical and 

sociopolitical characteristics of the 310 sub-catchments in our study area. Our 

database contains three categories of stream projects: ecological restoration to benefit 

natural ecosystems, human-oriented projects to enhance ecosystem services, and data 

collection projects for planning and monitoring. Both ecological and human-oriented 

restoration efforts were clustered near the coastline. Stream activities of all kinds 

were highest in sub-catchments with water quality impairment, high population 

density, high pro-environmental voting, and a highly educated, wealthy, non-Hispanic 

white population. Ecological restoration and data collection were also greater in 

catchments with higher native fish richness. Our findings indicate that restoration 

activity is aligned with, and perhaps responding to, ecological need, and that 

restoration efforts are concentrated near human population centers and restoration 
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organizations. Disparities in conservation effort by income, race, and education are 

concerning and should be evaluated in more depth and in other regions.  

 

 

Introduction 

As humans degrade natural ecosystems, conservation has become a large and 

growing need. The distribution of ecological management effort across a landscape 

affects both ecological and human communities. Ecosystems receiving more 

protection or restoration may regain lost resilience and ecosystem function, 

experience enhanced connectivity, and support a broader host of species (Ruiz-Jaen & 

Aide 2005; Benayas et al. 2009). Human communities situated near high-quality 

natural areas or restoration projects may experience enhanced health and recreational 

opportunities (Brancalion et al. 2013; Wolch et al. 2014), protection from erosion and 

floods (Clewell & Aronson 2006; Nilsson et al. 2018), employment opportunities 

(BenDor et al. 2015), and connection to nature and community (Light 2006; Moran 

2010; Egan et al. 2011, although see e.g., DeFries et al. 2007).  

In recent years, tools and frameworks have proliferated to assist managers and 

funders in selecting appropriate sites and projects to maximize (largely ecological) 

benefits given limited conservation budgets (Norton et al. 2009; Jellinek 2017). Such 

tools often prioritize conservation in sites with high ecological value or condition, 

such as regional reference sites or refuges for endemic or endangered species, in part 

because agencies often have regulatory mandates to protect these areas. In contrast, 
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restoration projects seeking to maximize benefit per dollar spent might prioritize sites 

unlikely to recover unassisted (Fullerton et al. 2006), or highly impaired sites that 

negatively impact the surroundings (e.g. through spreading invasive species or 

changing the disturbance regime) (Leite et al. 2013).  

The literature on prioritization tools has a largely normative focus; it provides 

guidance for where conservation projects should be located, usually from a purely 

ecological perspective (e.g., Moilanen et al. 2009), and pays little attention to the 

empirical outcomes, i.e. where projects are located in practice. The actual locations, 

however, may differ from the normative guidance. First, decision-makers may be 

motivated by the potential for social benefit, for example through ecosystem service 

enhancement or protection (Chan et al. 2006; Standish et al. 2012). Researchers 

traditionally have not emphasized socioeconomic benefits of restoration (Aronson et 

al. 2010; Wortley et al. 2013), although these can be substantial (Hillman 2004; 

Millennium Ecosystem Assessment 2005; BenDor et al. 2015). Urban parks and 

urban stream restoration are both examples of ecological management strategies often 

undertaken for social benefit (Cockerill & Anderson 2014; Flies et al. 2017). In other 

cases, systems with high ecological value are prioritized for conservation due to co-

benefits such as visitation, recreational uses such as hunting or fishing, or improved 

municipal water quality (e.g. Turner & Daily 2007).  

Second, the spatial distribution of conservation efforts and benefits may be 

influenced by socioeconomic and political factors. Conservation may be more 

feasible in locations with high public interest in environmental issues if this results in 
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the presence of more environmental organizations, funding opportunities, and access 

to private lands (Christian-Smith & Merenlender 2010; Langridge 2016). Similarly, 

wealthy pro-environmental communities may mobilize to advocate for their 

communities, resulting in capture of a greater share of regional or statewide 

conservation budgets (Mohai et al. 2009). Indeed, studies of the distribution of both 

urban greening and wetland mitigation projects have found uneven distribution across 

socioeconomic groups (Ruhl & Salzman 2006; BenDor et al. 2008; Stewart et al. 

2014). More broadly, policy making, at least in the United States, often reflects the 

preference of economic elites rather than the population more broadly (Bartels 2008; 

Gilens & Page 2014). 

Finally, availability of funding may constrain the types of projects that are 

accomplished in an area or the choice of project location. Funding may promote a 

particular goal (e.g., invasive species management, human access, endangered species 

protection), and may also be restricted to certain locations. 

To explore influences on the allocation of conservation effort, we focused on 

the regional-scale distribution of restoration projects in relation to ecological values 

and human communities. Restoration is an intensive and frequently costly type of 

ecological management: it can involve a transformation of the ecological community 

through the addition and removal of species or barriers to connectivity, and can have 

substantial impacts on human communities (Suding et al. 2015). A regional analysis 

allows us to compare priorities across many different land use types and human 

communities while maintaining the ability to perform a fine-grain analysis of factors 
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potentially influencing decision-making. Analyzing the types of locations that 

currently receive restoration effort can reveal whether certain types of ecosystems or 

human communities receive disproportionate attention.  

Streams present an excellent case study for questions about restoration. 

Streams are a particularly important ecosystem type for considering distribution of 

effort because their sensitivity to human activities (e.g., water diversions, land use 

change) results in widespread need for active stream management and restoration. In 

addition, due to their special protection under the US Clean Water Act, stream 

impairment is unusually well documented and regulated, and streams are well-

mapped compared to other ecosystem types. Despite these features, patterns and 

drivers of stream restoration effort are poorly quantified (e.g. Bernhardt et al. 2005). 

Previous efforts have quantified ecological and management aspects of stream 

restoration, focusing on types of restoration activity (Bernhardt et al. 2005; Kondolf 

et al. 2007; Christian-Smith & Merenlender 2010), motivations and land use context 

(Bernhardt et al. 2007; Moran 2010), or match between restoration and actions called 

for by endangered species recovery plans (Barnas et al. 2015). However, to our 

knowledge the relationship between the spatial distribution of effort and both 

ecological and sociopolitical patterns has not been evaluated. 

Whether restoration projects are effective in achieving their conservation 

goals is a question beyond the scope of this paper (see Suding 2011; Maron et al. 

2012; Jones et al. 2018). Indeed, research to date has found high uncertainty among 

outcomes for stream-based projects (Bernhardt & Palmer 2011; Wohl et al. 2015b). 
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However, regardless of ecological outcomes, the spatial distribution of restoration 

projects is intrinsically important as a reflection of intent and resource allocation. 

We selected the California Central Coast region, USA for our study for its 

high biodiversity and unusual variety of biophysical conditions, land use types, and 

human communities. Within the California Central Coast, we compared the 

distributions of stream restoration projects focused on ecological goals, such as fish 

habitat, water quality, or riparian condition; projects focused on human well-being, 

such as flood control and access; and projects collecting pre- or post-project data. We 

analyze how restoration effort varied spatially using biophysical and sociopolitical 

factors as indicators of both intended priorities and unintended biases affecting 

restoration effort. We ask: which natural and human communities benefit from 

restoration efforts? What implicit priorities can we detect in the distribution of 

projects? 

 

 Methods 

Study design  

We mapped stream restoration and management projects within the five 

counties of the California Central Coast (Santa Cruz, Monterey, San Luis Obispo, 

Santa Barbara, and San Benito). The study area extends 500km along the coast and 

60km inland. California is among the top three regions in the United States for 

density of stream restoration projects (Bernhardt et al. 2005), and the Central Coast 

has active local agencies and a robust monitoring program documenting the condition 
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of streams. The Central Coast ranges in elevation from sea level to 1,700m, and 

includes both the foggy, redwood-covered Santa Cruz Mountains and the dry Carrizo 

Plain. It is largely rural and agricultural (including the highly productive Salinas 

Valley) but contains several large urban centers, including Monterey, Santa Cruz, and 

Santa Barbara.  

We measured restoration effort as 1) number of restoration project sites and 2) 

the amount of public restoration spending occurring within each catchment unit 

(defined here as the 12-digit Hydrologic Unit Code or HUC, the smallest nationally 

defined hydrologic unit). The study area contains 310 catchment units; dividing the 

region in this way provided a natural unit of analysis. Catchment units within the 

study area have mean area of 85 km2 (sd = 35) and 144 stream km (sd = 71). We 

clipped the study area to match California Regional Water Quality Control Board 

Region 3, which administers much of the funding, monitoring, and regulation for the 

region (Central Coast Regional Water Quality Control Board et al. 2016); this 

resulted in the exclusion of eight catchment units in eastern San Benito County. Our 

study also excludes the five easternmost catchment units of San Luis Obispo County 

and the Channel Islands because key datasets lacked information for these areas.  

 

Data collection 

We compiled databases documenting publicly funded restoration over the past 

30 years (Table A1). We focus on publicly funded projects because public funds 

support over 80% of all stream restoration in the US (Bernhardt et al. 2007) and were 
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more consistently tracked across jurisdictions. We identified potential databases using 

personal contacts and internet searches.  

We used a modified version of the National River Restoration Science 

Synthesis classification system (Bernhardt et al. 2005) to classify each project by 

restoration type. In our analysis, we combined several NRRSS categories and added 

categories describing stream management for human benefit (Table 2.1). If multiple 

activities were described, we assigned the project to the activity that appeared to be 

the primary motivation based on the project title and brief description (e.g., a project 

to control bank erosion using riprap and the restoration of native vegetation would be 

coded as bank stabilization). Throughout, we refer to all entries in our final database 

as “restoration sites.” On-the-ground projects with ecological goals are classified as 

“ecological restoration,” projects undertaken for human benefit are “human-oriented”, 

and projects focusing on planning, research, or monitoring are grouped together as 

“research/monitoring.” Each of the individual databases we combined included 

multiple project types (e.g., both ecological and human-oriented) (Table A1). 

We geolocated projects in ESRI’s ArcMap software using coordinates, place 

names, or catchment unit numbers, as available. We were interested in the number of 

unique restoration project sites per catchment unit, so where multiple projects had the 

same project focus (e.g., fish, infrastructure) and location (latitude and longitude 

values, rounded to two decimal points), we counted each group as one unique project 

site. We focused on sites rather than projects because multiple projects with the same 

goal in the same location are not likely to be independent.  
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For each catchment unit, we compiled measures of (i) ecological 

characteristics that may affect the need for or effectiveness of restoration efforts; and 

(ii) social characteristics that may influence the prioritization of restoration projects 

(Table 2). Ecological characteristics included stream type, ecological need, and 

ecological value. We characterized stream type using catchment steepness, stream 

order, and percent natural cover. We used native fish richness as a proxy for 

ecological value, as well as potential and current habitat  (defined as “critical 

habitat”) for steelhead (Oncorhynchus mykiss), which is threatened throughout the 

Central Coast (National Marine Fisheries Service 2013). We characterized ecological 

need using habitat condition and water quality impairment.  

Certain categories are both ecological and social. Human impact represents 

both the number of people able to benefit from an improvement and the likely 

ecological impairment. We included percent impervious cover and human population 

density as proxies for human impact. Land ownership is also ecological and social: 

we included the percent of the catchment in protected areas owned by non-profits or 

public agencies and protected for “open space values” (GreenInfo Network 2017), 

because access for ecological restoration may be easier within these areas than in 

private lands. 

Social characteristics included demographic indicators and expressed public 

interest in environmental management. Commonly used demographic indicators 

include income, education, and race; disparities by any of these indicators can suggest 

inequitable resource capture by more powerful or advantaged social groups (e.g. Ash 
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& Fetter 2004; Pearce et al. 2006). We characterized local human communities using 

median income, percent of population with a college education, and percent of 

population that is non-Hispanic white, because these indicators differentiate 

communities in the California Central Coast. Public interest can be measured using 

voting records (Kahn 2002; Wu & Cutter 2011): we used yes” votes on a recent pro-

environmental state ballot measure. To select the ballot measure we used in our 

models, we compared several recent statewide measures, and chose the measure that 

elicited the most variation in voting. As a robustness check, we repeated the analysis 

with other ballot measures and found both a high correlation between voting on 

different measures, and consistent results using different ballot measures (see 

Appendix B). 

To map the locations of Central Coast organizations doing restoration, we 

performed internet searches on the lead agency listed for each project. We identified 

the type and location for each lead agency and used the R package sp (Pebesma & 

Bivand 2005; Bivand et al. 2013) to calculate the distance between each project and 

the office of the responsible lead agency. Government agencies included city, county, 

state, and federal agencies (e.g., Parks districts, Conservation Corps, Agricultural 

Commissioner, Resource Conservation District). Non-profits included a range of land 

trust, stewardship, and watershed groups, as well as some national and international 

nonprofits. We grouped together individuals and consultants as “private.” Finally, 

“partnerships” included academic institutions and public-private partnerships that did 

not fit neatly into the other categories.  
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Statistical analysis 

All analyses were conducted in R version 3.4.2 (R Core Team 2017). We used 

two response variables for each of the three restoration types: the number of sites per 

catchment unit, and spending per catchment unit.  

To analyze the number of restoration sites per catchment unit, we estimated 

negative-binomial models using the glm.nb function in the R package MASS and a log 

link (Venables & Ripley 2002). Negative-binomial models are commonly used for 

over-dispersed count data (Zuur et al. 2009), and fit our data better than Poisson 

models. The full models contain all of the variables from Table 2. We standardized 

each variable by subtracting the mean and dividing by two standard deviations, which 

places continuous variables on the same scale as binary variables to allow for direct 

comparison of coefficients (Gelman 2008). Not all catchment units were the same 

size, so we included number of stream kilometers within the catchment unit as a 

covariate in all models. We defined significance as p<0.05, such that 95% confidence 

intervals did not overlap zero. 

Several of the variables in the full models were highly collinear, limiting our 

ability to determine the influence of a variable or group of related variables (Figure 

A3.1). We evaluated cases where two or more terms a) represented the same category 

(e.g., human community characteristics), and b) were correlated with a Pearson’s r of 

>0.5. In these cases, we evaluated the coefficient estimates in the ecological model 

and removed the term with the larger p-value (Figure A3.1a; Table A3.2). We also 
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dropped mean slope and natural cover because they were correlated with percent 

protected area and population density (Figure A3.1a). The resulting models are our 

final “reduced” models, which we present graphically in Figure 3.3. We used the 

same terms for each of the models to enable comparison between models. Median 

income, percent of population completing four-year college degree, and percent of 

population that is non-Hispanic white were correlated, so in our models percent non-

Hispanic white represents this suite of demographic characteristics. 

To model public restoration spending by catchment, we fit linear models to 

log-transformed spending data. We used the same “reduced” terms for these models. 

We also fit linear models to number of organizations performing restoration within a 

catchment unit to test whether the distribution of these organizations was biased.  

To evaluate distribution of restoration across different stream types, we 

compared the stream order and flow regime of sites with ecological restoration to all 

potential reaches in the Central Coast. Using a 30m digital elevation model we 

generated stream network and flow direction layers which we used to determine 

stream order throughout the study area. We used a one-sample t-test to compare the 

mean stream order of all 1km reaches to the mean stream order of restoration sites. To 

compare flow regimes, we used the National Hydrologic Dataset (NHD+) to extract 

the flow regime (perennial, intermittent, ephemeral) for each restoration project site, 

and calculated the number of one-km reaches by flow regime across the Central 

Coast. We tested whether the two distributions of stream types differed using a 
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Pearson’s Chi-squared test with p-values calculated using 2,000 Monte-Carlo 

simulations. We repeated this process for human-oriented stream management sites.  

We evaluated the residuals of all full and reduced models for normality, fit, 

and leverage, and plotted predicted against observed values: residuals were evenly 

distributed. We calculated variance inflation factors for each model to test for 

collinearity (max VIF<1.87). We assessed fit using explained deviance (pseudo R2) 

(Zuur et al. 2009) or adjusted R2, as appropriate. 

We performed additional analyses to assess the robustness of our results. To 

more explicitly test the role of habitat quality, we re-ran the models on the 30% of 

catchments with standardized physical habitat monitoring data. To test whether the 

models were simply describing steelhead-bearing streams, we re-ran the reduced 

ecological model on the subset of catchments that contained critical steelhead habitat 

(National Marine Fisheries Service (NOAA Fisheries) 2005). By constraining our 

analysis to these steelhead-bearing streams, we were able to remove the influence of 

steelhead presence on the results. Finally, we compared projects completed before 

and after 2002 (the median year in our dataset), and found consistent results across 

both time periods. Additional robustness checks are presented in Appendix B.  

 

Results  

Characteristics of restoration efforts 

Our final database contained 699 restoration sites, documenting restoration 

efforts between 1983 and 2017. Half of all sites (54%) were on-the-ground restoration 
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for an ecological goal (Figure 3.1a). The most common type of ecological project 

sought to benefit fish; 94% of all ecological projects took place within catchments 

designated as steelhead critical habitat (Figure A3.2). Restoration is clustered in three 

areas along the coast: southern Santa Barbara County, Morro Bay, and Santa Cruz 

(Figure 3.2).  

Over the 34-year period, we recorded US$341M total public funding for 

ecological restoration and US$404M for human-oriented projects. In many cases, this 

funding required matching funds, so actual spending may be twice as high. Eighty-

two percent of projects included information on spending. Total spending was highest 

for human-oriented projects, despite a lower total number of projects (Figure 3.1b). 

Median per-project spending for infrastructure and ecosystem services was over three 

times higher than median per-project spending for ecological projects (~US$100,000 

vs. ~US$30,000). Only 77% of ecological restoration projects reported spending 

information, compared to 90% and 92% for human-oriented and research-monitoring, 

respectively (Table A1), so if more expensive projects are more likely to include 

spending information, the difference in median spending may be even greater. 

Stream sites selected for restoration efforts were biased towards larger and 

perennial streams. The mean stream order of restoration sites (2.83) was higher than 

the mean stream order for the study area (1.84) (t=18.86, df=575, p<0.0001). The 

flow regime in reaches with ecological and human-oriented projects differed 

significantly from the distribution of reaches in the region overall (Ecological: χ2 

=4841, p=0.0005; Human: χ2 =18151, p=0.0005). Although perennial reaches make 
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up only 8% of stream kilometers on the Central Coast, they were the site of 54% of 

ecological restoration projects and 26% of human-oriented projects. By contrast, 

ephemeral streams, which constitute 70% of stream kilometers received only 9% of 

ecological and 27% of human-oriented restoration projects: ephemeral streams 

receive 1/7 of the number of restoration project sites that would be predicted by 

chance. Intermittent streams were selected for restoration projects in proportion to 

their occurrence on the Central Coast (~15%).  

Seventy-six percent of restoration and management projects in the database 

listed an organization or agency, with numerous projects completed by each of 

government (32%), non-profit (40%), and other organizations (private or partnership; 

25%). We were unable to place all of these organizations: for example, 20% of 

projects were completed by federal or international organizations where no single, 

regional office was associated with the project. For the 56% of projects with lead 

organizations that we could identify and place on a map, we found that the 

organizations performing restoration and management were clustered near restoration 

sites (Figure A3.3). Seventy-five percent of locatable organizations only led projects 

at sites less than 60km distant, and 50% completed work exclusively within 16 km. 

Government organizations performed the most local work (median distance to office 

10km; cities median distance 1.7km), followed by non-profits (median distance 

12km). Other organizations, largely partnerships based in public universities, showed 

a strikingly different pattern, and were much more likely to work far away (median 

65km), likely due to the existence of university holdings far from the main campus.  
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Ecological and sociopolitical factors influencing stream restoration effort 

The number of ecological restoration sites per catchment unit was positively 

related to ecological variables (native fish richness, water pollution), human 

population density, and sociopolitical variables (pro-environmental voting, percent 

non-Hispanic white population) (Figure 3.3a; Table A3.2). The explained deviance 

was 58%. The model for the subset of the 153 catchment units designated as 

steelhead critical habitat had almost identical coefficient patterns, with one exception: 

native fish richness was no longer significant (Table A3.2; explained deviance 45%). 

For the third of catchments with physical habitat information, poor habitat condition 

was highly correlated with population density and predicted increased restoration 

effort (Table A3.2; explained deviance 53%).  

For human-oriented stream management, population density was the most 

important predictor of number of restoration projects, along with the presence of a 

water quality impairment (Figure 3.3a, Table A3.2; explained deviance 57%). A 

wealthier, whiter, and/or more highly educated population, and higher rates of pro-

environmental voting also predicted more project sites.  

Predictors of research and monitoring projects were similar to ecological 

restoration project with one important exception: population density did not 

significantly predict research and monitoring projects (Figure 3.3a, Table A3.2; 

explained deviance 45%). Native fish richness, water pollution, voting patterns, and 

race/education/income were important predictors. 
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The predictors for the distribution of public spending matched the predictors 

for number of sites for both ecological restoration (model adjusted R2=0.25) and 

research and monitoring (model adjusted R2 = 0.22) (Figure 3.3b, Table A3.2). Public 

spending for human-oriented stream management was predicted by population 

density and native fish richness (model adjusted R2=0.32); no other predictors were 

significant.  

Organizations performing restoration were more likely to be in areas with 

high population density, pro-environmental voting, and a more affluent, educated, 

non-Hispanic white population (Table A3.2; explained deviance 71%).  

Discussion 

Stream restoration effort on California’s Central Coast is aligned with many 

measures of potential ecological and social benefit, including native fish richness, 

poor water quality and habitat condition, and high population density. While we 

might expect that ecological projects would be guided by ecological need and value, 

and human-oriented projects might be guided by potential for human benefit, we 

found similar patterns in the distribution of project sites for all types of restoration 

and management. The distribution of sites was skewed towards perennial streams, 

population centers, spatial locations near the performing organizations, and areas with 

higher percentages of wealthy, college-educated, non-Hispanic white populations.  

Alignment of ecological restoration with ecological need 

More ecological restoration occurred in catchments with higher ecological value 

(represented by native fish richness) and ecological need (represented by water 
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quality impairment and habitat condition), suggesting that these goals may guide 

restoration effort. However, restoration was also strongly concentrated in a specific 

type of value and need: in catchments that provide potential steelhead habitat and 

catchments near population centers.  

The siting of 95% of ecological restoration efforts in steelhead-bearing 

catchments, the focus on perennial streams, and the many projects to support fish 

habitat are predictable due to the status of steelhead. Coastal California steelhead 

populations are listed as threatened under the federal Endangered Species Act, so 

steelhead-oriented projects in California have a legal mandate (National Marine 

Fisheries Service 2013). In addition, the high restoration effort in Santa Cruz County 

may be due to the presence of an additional listed salmonid in that county, 

Oncorhynchus kisutch, and mandated funding for the protection of these two species. 

Although intensive efforts may be necessary to support these salmonids, the focus on 

one or two cold-water fish species may result in a lack of diverse stream habitat 

priorities, a challenge with most focal species approaches (Lindenmayer et al. 2002). 

Intermittent and even ephemeral streams can support distinct and diverse ecological 

communities that are frequently undervalued (Bogan et al. 2013; Acuña et al. 2017). 

Appropriate management of these other stream types appears to require a different 

prioritization process or new funding sources.  

Even within steelhead streams, more ecological restoration took place in 

catchments with water quality impairment and high population densities (Table 

A3.2). These impacted sites are likely degraded and in need of restoration, and may 
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benefit more people (Moran 2010), but they are also likely to have more limited 

restoration potential (Roth et al. 1996; Wahl et al. 2013). Many studies have 

documented the so-called “urban stream syndrome,” a suite of impairments and 

reduced restoration potential in streams with impervious cover in the upstream 

catchment (Walsh et al. 2005; Urban et al. 2006; Roy et al. 2009). A restoration focus 

on highly impacted sites with low recovery potential makes monitoring and post-

project assessment even more crucial to determine whether conditions at these sites 

are improving.  

Unfortunately, our study also highlights a lack of monitoring and data 

collection. Projects focused specifically on monitoring were extremely rare in our 

dataset. Even assuming that many projects included some monitoring efforts that 

were not listed as a project priority (Kondolf et al. 2007), the lack of evidence of 

designated funding for monitoring and project upkeep in our database supports other 

findings that monitoring is underfunded and underemphasized (Jähnig et al. 2011; 

Gilvear et al. 2012; Hagger et al. 2017). Data quality was also a problem in this study: 

we had to exclude 8% of projects from our database due to lack of information on 

location or activity. Of the projects in our database, 24% did not list a lead agency, 

and 18% had no information on spending. Given the uncertainty about restoration 

outcomes, continued effort to track and make public these types of information is 

critical to understanding the outcomes of public investment. We join others in calling 

for more support for monitoring and assessment of projects to enhance our ability to 
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conserve and manage ecosystems and guide effective investment of funds (Suding 

2011; Gilvear et al. 2012).  

 

Social bias 

Stream management and restoration of all types (ecological, human-oriented, 

and research/monitoring) occurred most frequently in a particular type of human 

community – a community with higher percentages of residents who are wealthy, 

non-Hispanic white, and have college degrees. This was true even when we re-ran the 

models on only steelhead-bearing catchments. These three demographic 

characteristics are strongly correlated in this region, making the causal relationships 

difficult to parse.  

At least three related mechanisms could explain this pattern. First, 

communities with higher incomes might be better able to provide the matching funds 

required for most of these grants. Our measure of community interest in restoration 

(pro-environmental voting) also has a strong positive relationship with restoration 

effort, so restoration may be more likely in communities with both high interest and 

ability to pay for restoration  (see also Babin et al. 2016; Langridge 2016).  

Second and relatedly, communities with more income and education might be 

more adept at securing a disproportionate share of restoration funding. This would be 

consistent with a large literature documenting that poor and minority communities 

receive disproportionately less access to high quality green spaces (Sanchez et al. 

2013; Stewart et al. 2014), investment in ecological improvements (Watkins et al. 
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2017) and fewer public services (Hastings 2009). The grant process may also favor 

established organizations with higher organizational capacity (Moran 2010). 

Thirdly, local demographics may influence the location of restoration 

organizations, which in turn may influence restoration site selection. We showed that 

restoration organizations are more likely to occur in catchments with wealthy, white, 

and educated populations, and that restoration is often dependent on the existence of a 

local organization. Restoration organizations nationwide are also staffed 

overwhelmingly by non-Hispanic white employees, despite interest in environmental 

issues across groups (Taylor 2014). If these white staffers are more likely to initiate 

work (whether launching conservation nonprofits or creating a stream restoration 

program in their position at a public agency) where they live, rather than only in those 

locations with the greatest need, the unrepresentative conservation workforce could 

help explain the uneven distribution of restoration effort. The hyper-local nature of 

restoration can be positive. However, combined with the current diversity gap in the 

conservation workforce, an extremely local focus could result in the disproportionate 

concentration of restoration near populations with more wealthy non-Hispanic white 

residents. This is particularly true for restoration projects initiated by non-profit 

organizations, the locations of which are likely to be driven by community 

demographics. 

 

Conclusion 
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In this mixed-use coastal region, we found that both ecological and social 

factors predict the distribution of stream restoration effort. We found that, 

cumulatively, restoration practitioners and funders prioritize impaired sites, sites with 

high human populations and impervious cover, and, for ecological restoration, sites 

with more native fishes (particularly salmonids). We encourage managers to consider 

whether a focus on the most highly impaired sites is necessarily improving condition 

overall. In addition, although restoration effort appears to be addressing many of the 

places of greatest ecological need, we identified some concerning disparities in social 

equitability of restoration effort. A regional or larger catchment-scale approach to 

restoration may help to improve the distribution of both social and ecological benefits 

from restoration, and we join others in calling for regional coordination to improve 

restoration planning and outcomes (Bernhardt & Palmer 2011; Gilvear et al. 2012; 

Lorenz & Feld 2013; Vietz et al. 2016). We also encourage attention to a broader 

array of stream types and human communities. Evaluating social equity and social 

justice concerns is crucial to ensuring that all communities benefit from publicly 

funded stream restoration projects.  
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Figures and tables 

Figure 3.1. Number of sites by project type (a), and spending by project type (b) 

on stream restoration and management for the California Central Coast.  

“Ecological” projects refer to on-the-ground restoration that seeks to achieve an 

ecological goal. “Human-oriented” projects refer to projects for stream management 

that seek to benefit people. “Research & monitoring” are projects performing pre- and 

post-project information collection or planning, but do not directly restore or alter 

habitats. See Table 3.1 for more information on categories. All sites with project type 

“unknown” were excluded from the models. 
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Figure 3.2. Distribution of stream restoration and management sites on the 

California Central Coast.  

Note that most catchment units contain no restoration projects. The catchment units 

depicted delineate the study area. 
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Figure 3.3. Variables predicting (a) number of restoration sites per catchment 

unit and (b) spending per catchment unit. 

Each symbol and color represents the output of a different model. Shapes represent 

the standardized coefficient estimates and lines represent 95% confidence intervals. 

Estimates are significant when 95% confidence intervals do not overlap zero. N=310. 

Results also presented in Table A2. 
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Table 3.1. Restoration project types 

Description of the categories used in the analysis, including a crosswalk to the 

National River Restoration Science Synthesis (NRRSS) categories (Bernhardt et al. 

2005). 

 

Type Focus Examples NRRSS categories 

Ecologic

al Fish 

Habitat improvement for fish, 

including for spawning; barrier 

removal; fish rearing 

Fish passage, dam 

removal/retrofit, in-

stream species 

management 

Ecologic

al Habitat 

In-stream physical habitat 

restoration; floodplain 

reconnection; habitat 

protection; riparian restoration 

In-stream habitat 

improvement; flow 

modification; 

floodplain 

reconnection; land 

acquisition; riparian 

management 

Ecologic

al 

Stabilize 

banks 

Bank stabilization/erosion 

control Bank stabilization 

Ecologic

al 

Water 

quality  

Sediment reduction; upland 

sediment retention; TMDL 

projects 

Water quality 

management; storm 

water management 

Human 

Ecosyste

m 

services 

Flood protection; aesthetics 

and public access 

Aesthetics/recreation/ 

education 

Human 

Outreac

h 

Planning for human benefit; 

education and outreach; 

training 

Aesthetics/recreation/ 

education 

Human 

Infrastru

cture 

Building roads, bridges, etc. 

that cross streams   

Research 

& 

monitorin

g 

Monitori

ng 

Maintenance; monitor project 

outcomes   

Research 

& 

monitorin

g 

Pre-

project Planning; research; modeling   
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Table 3.2. Variables characterizing catchments on the Central Coast.  

In each case, we listed the broad categories that we wanted to capture, identified one 

or more indicator datasets that could provide a measurement of that category, and 

then calculated a metric from each dataset for use in the models. Final model terms 

(in bold) were selected using a correlation matrix (Appendix A) to identify 

independent terms representing each category of interest. All data were processed in 

ArcGIS and R. Data were available for entire study area unless noted otherwise. 

Category Indicator Year 

Selected 

metric Source Scale 

Stream type 

Steepness   Mean slope 

1 arc-second 

Digital 

Elevation 

Model, National 

Elevation 

Dataset, USGS 30m 

Stream 

order   

Maximum 

in 

catchment 

unit 

National 

Hydrography 

Dataset 

(NHD+), USGS   

Natural 

cover 2011 % 

National Land 

Cover 

Database, 

Multi-

Resolution 

Land 

Characteristics 

Consortium 

(DOI & USGS) 30m 

Ecological 

value 

Native fish 

richness 2014 Count 

123 PISCES, 

California 

Department of 

Fish and 

Wildlife 

Catch

ment 

unit 

Steelhead 

critical 

habitat11 2005 

Presence/abs

ence 

National Marine 

Fisheries 

Service, NOAA Reach 

                                                 
11 Critical habitat is designated under the Endangered Species Act and is defined as “areas…[within or 
outside the geographical area occupied by the species]…essential to the conservation of the species” 
(ESA Sec 3(5)(A); 50 CFR Sec 424.02). This represents the actual or potential range of steelhead in this 
area. 
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Ecological 

need/ 

impairment 

Impaired 

water 

bodies 2012 

Presence/ab

sence of 

303(d) 

listed 

waters12 

California 

State Water 

Resources 

Control Board Reach 

Habitat 

condition   

Minimum 

CRAM 

score13 EcoAtlas Point 

Aquatic 

invertebrate 

communities 

1999-

2015 

Minimum 

CSCI 

score14 

California State 

Water 

Resources 

Control Board Point 

Access 
Protected 

lands 2016 

% of 

catchment 

unit in 

protected 

areas15 

California 

Protected 

Areas Data 

Portal - 

GreenInfo 

Network  

Human 

impact / 

Population 

density 
Impervious 

cover 2011 

Mean 

percent 

developed 

imperviousn

ess 

National Land 

Cover 

Database, 

Multi-

Resolution 

Land 

Characteristics 

Consortium 

(DOI & USGS) 30m 

Population 

density 2010 

Area-

weighted 

mean 

#/km2 

US Census 

Bureau, 

Decennial 

Census 

Census 

block 

Human 

communities 

Income 2015 

Area-

weighted 

mean 

median 

US Census 

Bureau, 

American 

Community 

Census 

block 

group 

                                                 
12 Impaired water quality is defined as listing on the US Clean Water Act 303(d) list of impaired 
waters. Lists are generated by states and submitted to the federal Environmental Protection Agency 
for approval. States must evaluate "all existing and readily available information" in developing their 
303(d) lists (40 C.F.R. §130.7(b) (5)). 
13 California Rapid Assessment Method (CRAM). Data present for only 1/3 of catchment units.  
14 California Stream Condition Index (CSCI). Data present for only 1/3 of catchment units.  
15 Including fee-owned areas and areas explicitly set aside as open space (excluding e.g. DoD lands). 
Excludes easements on private lands. 
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annual 

income 

Survey 5-year 

estimates 

Education 2015 

% over 25 

completing 

4-year 

college, 

area-

weighted 

mean 

US Census 

Bureau, 

American 

Community 

Survey 5-year 

estimates 

Census 

block 

group 

% non-

Hispanic 

white 2010 

Area-

weighted 

mean % 

US Census 

Bureau, 

Decennial 

Census 

Census 

block 

group 

Public 

interest 

Pro-

environmen

tal voting 2006 

% of votes 

cast voting 

yes on 

Proposition 

8416, area-

weighted 

mean % 

The Statewide 

Database 

Precinc

t 

                                                 
16 Proposition 84 was approved in 2006 and authorized California to sell $5.4 billion in bonds to fund 
“water quality, safety and supply. Flood control. Natural resource protection. Park Improvements”. 
The bond allocated 35% of the funding to conservation, and 44% to drinking water, water quality, and 
flood control (bondaccountability.resources.gov).  
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Supporting information 

Figure A3.1. Correlation plot of the factors included in the full models.  

All terms have been centered and standardized, and correlations are presented as 

percentages. Numbers represent Pearson’s r. Terms representing the same category 

(see Table 2) were removed if correlated above 0.5. 
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Figure A3.2. Variation of sociopolitical and biophysical predictors on the 

Central Coast 

Each of the final model predictors is shown for the study area. One value per 

predictor was calculated for each HUC12, as shown here (see Table 2 for data 

sources). We also show steelhead-bearing streams. 
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Figure A3.3. Location of restoration organizations on the Central Coast. 

Distribution of organizations involved in restoration on the Central Coast. Circle size 

is scaled to the number of restoration projects performed by that organization.  

 



 

 

1
1
1 

Table A3.1. Restoration database sources. 

The restoration sites described in this paper were collected from the sources listed here. Most funding sources required a local 

funding match. The numbers presented here represent the number of unique restoration and management sites included in the 

final database used for modeling. Projects in category “unknown” did not provide any information about actions or goals. 

Source 

Database 

Managing/Granting 

agency 
Description 

Projects 

in final 

database 

Ecological 

projects 

Human 

projects 

Info 

projects 

Un-

known 

 

Spending 

info? 

Fisheries 

Restoration 

Grant 

Program 

California 

Department of Fish 

and Wildlife 

Grant program to support 

salmonids and improve 

deteriorating fish habitat 

through projects from sediment 

reduction to watershed 

education throughout coastal 

California. Funded projects 

types include a broad range of 

in-stream, riparian, upslope, 

monitoring, planning, and fish 

barrier projects. 

354 190 46 116 2 

 

 

 

Yes 

California 

Proposition 

84 

State Water 

Resources Control 

Board 

Safe drinking water, water 

quality and supply, flood 

control river and coastal 

protection bond act. Supports 

grant program for water quality 

and storm water management. 

129 44 56 29  

 

 

Yes 

National 

River 

Restoration 

Science 

Synthesis 

Multiple 

Compilation of existing project 

databases, see Bernhardt et al. 

2005 

45 20 6 16 3 

 

Partial 

EcoAtlas Multiple 

Projects completed by Moss 

Landing Marine Labs and 

entered into EcoAtlas 

66 53 7 1 5 

 

No 



 

 

1
1
2 

Source 

Database 

Managing/Granting 

agency 
Description 

Projects 

in final 

database 

Ecological 

projects 

Human 

projects 

Info 

projects 

Un-

known 

 

Spending 

info? 

Federal 

Clean Water 

Act 319H 

funding 

State Water 

Resources Control 

Board and USEPA 

Federal nonpoint source 

pollution control program 

providing grant funds for 

projects to control impacts to 

beneficial uses and limit 

pollutant effects.  

37 30  6 1 

 

 

Partial 

California 

Natural 

Resources 

Project 

Inventory 

Multiple 

Database of over 8000 natural 

resource projects in California. 

Not currently maintained. 

29 21 6 1 1 

 

 

Partial 

California 

Proposition 

12  

California State 

Parks 

Safe Neighborhood Parks, 

Clean Water, Clean Air, and 

Coastal Protection Bond Act of 

2000. Supports grant program 

for state investment in public 

open spaces and clean water 

protection. 

7 5 1  1 

 

 

Yes 

Habitat 

Conservation 

Fund 

California 

Department of Parks 

and Recreation  

Grant program to support public 

outdoor recreation projects, 

including nature interpretation 

programs, protection of plant 

and animal species, and 

acquisition and development of 

wildlife corridors and trails 

6 5 1   

 

 

Partial 

California 

Proposition 

1e 

California 

Department of Water 

Resources 

Disaster preparedness and flood 

protection bond act of 2006.  
13 10 1 2  

 

Yes 



 

 

1
1
3 

Source 

Database 

Managing/Granting 

agency 
Description 

Projects 

in final 

database 

Ecological 

projects 

Human 

projects 

Info 

projects 

Un-

known 

 

Spending 

info? 

Urban 

Streams 

Restoration 

Program 

California 

Department of Water 

Resources 

Grant program dispersing funds 

from California Propositions 40 

and 13 for reducing flooding 

and erosion, restoring 

ecological value of streams, and 

promoting community 

stewardship 

5 3 2   

 

 

Yes 

Other/ 

unknown 
 Small local agencies or source 

unknown 
18 11   2 

No 

                 

Total     709 392 126 171 15  



 

 

1
1
4 

Table A3.2. Model coefficients for restoration effort by catchment unit.  

All factors have been standardized (subtract the mean and divide by 2 sd), to enable direct comparison of coefficients. Each 

column represents a different model; the reduced models are also presented in Figure 3. The first seven models and the 

steelhead and organizations models are negative binomial models (log link). The three spending models are linear models (log 

transformed). The final model (Steelhead catchments) models ecological restoration for the 153 catchment units designated as 

(potential) steelhead habitat, and “with habitat” models the 101 watersheds with habitat information. The other models all have 

N=310. P-values indicated as follows: ***(0-0.001), ** (0.0011-0.01),  *(0.011-0.05),   .  (0.051-0.1) 

 

 
 

Category Indicator

Full Reduced With habitat Full Reduced Full Reduced Ecological Human Research

(Intercept) -2.68 (0.37)*** -2.14 (0.29)*** -0.29 (0.34) -2.78 (0.36)*** -2.57 (0.31)*** -2.58 (0.37)*** -2.03 (0.28)*** 1.6 (0.42)*** 1.98 (0.4)*** 1.71 (0.4)*** -4.61 (0.63)*** -0.82 (0.34)*

Covariate Total stream km 0.13 (0.27) 0.16 (0.26) -0.13 (0.29) 0.32 (0.22) 0.29 (0.21) -0.32 (0.28) -0.26 (0.27) 0.57 (0.54) 0.89 (0.52). 0.11 (0.52) 0.67 (0.3)* 0.16 (0.28)
Stream order 

(max) -0.05 (0.31) -0.18 (0.3) 0.02 (0.33) 0.18 (0.28) 0.2 (0.26) 0.13 (0.31) 0.11 (0.3) -0.15 (0.61) 0.27 (0.58) -0.2 (0.58) 0 (0.43) -0.2 (0.35)

Steepness (mean)
0.24 (0.36) 0.42 (0.36) 0.17 (0.35)

Natural cover (%)
0.33 (0.43) -0.32 (0.36) 0.09 (0.43)

Native fish 

richness 0.91 (0.34)** 1.12 (0.3)*** 0.7 (0.38). 0.19 (0.29) 0.3 (0.27) 1.14 (0.34)*** 1.44 (0.31)*** 1.9 (0.67)** 1.31 (0.65)* 2.73 (0.64)*** 0.59 (0.43) 0.66 (0.34).
Steelhead 

presence (Y/N) 1.08 (0.39)** 0.4 (0.35) 1.08 (0.4)**
Water pollution 

(Y/N) 1.35 (0.37)*** 1.66 (0.37)*** 1.01 (0.43)* 0.99 (0.4)* 1.02 (0.38)** 0.67 (0.37). 0.98 (0.36)** 1.4 (0.67)* 0.98 (0.65) 1.44 (0.64)* 0.78 (0.65) 1.2 (0.42)**
Physical habitat 

condition (min) -1.02 (0.43)*

Access
Protected area 

(%) -0.03 (0.42) 0.12 (0.37) -0.32 (0.52) -0.14 (0.46) 0.03 (0.43) 0.35 (0.42) 0.59 (0.37) 0.75 (0.61) 0.58 (0.59) 0.96 (0.58). 0.51 (0.83) -0.03 (0.47)
Impervious cover 

(mean) -0.14 (0.32) 0.2 (0.24) -0.15 (0.31)
Population/ km2 

(log) 1.13 (0.48)* 0.89 (0.28)** 0.53 (0.4) 1.3 (0.45)** 1.7 (0.27)*** 0.46 (0.48) 0.55 (0.28). 2.22 (0.66)*** 4.61 (0.64)*** 1.15 (0.63). 2.96 (0.56)*** 0.96 (0.31)**
Household 

income (median) 0.32 (0.32) -0.07 (0.29) 0.47 (0.32)
Non-Hispanic 

white (%) 0.54 (0.48) 1.39 (0.29)*** 1.36 (0.34)*** 0.43 (0.43) 0.64 (0.23)** 0.17 (0.49) 1.08 (0.29)*** 1.65 (0.54)** -0.19 (0.52) 1.4 (0.51)** 0.89 (0.38)* 1.37 (0.33)***
Education (% w/ 

4yr degree) 0.24 (0.46) 0.36 (0.43) 0.46 (0.46)

Interest

Pro-

environmental 

voting (%) 1.34 (0.33)*** 1.6 (0.31)*** 1.44 (0.41)*** 0.64 (0.35). 0.75 (0.31)* 0.55 (0.35) 0.8 (0.32)* 2.08 (0.63)** 0.74 (0.61) 1.35 (0.6)* 1.27 (0.52)* 1.53 (0.39)***

Social

Human 

impact

Ecological 

condition

Steelhead 

catchments

Ecological Human-oriented Research/monitoring

Water-

shed type

Ecological

value

Organization
Spending
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Appendix 3B. Additional methods: Robustness checks 

 

Most catchment units have zero restoration sites, so to compare the performance 

of our model to a model simply describing the presence or absence of restoration 

within the catchment, we modeled presence/absence of ecological restoration using a 

logistic model and the reduced model terms. We also re-ran the reduced ecological 

restoration model on the full dataset using a log-linear model instead of negative 

binomial to test for sensitivity to distribution choice. In both cases, the sign and 

significance of coefficients were unchanged. 

We were concerned that the inclusion of two university towns (Santa Cruz and 

Santa Barbara) skewed our results, but the observed patterns were consistent even 

after these two towns and their immediate surroundings were excluded from our 

dataset. We also re-ran the ecological restoration and research & monitoring models 

after excluding all Coho habitat from the model (in 12 Santa Cruz County 

catchments), and found consistent results. 

We compared patterns in voting for our chosen proposition (CA Proposition 84) 

and other recent statewide environmental bond measures (Proposition 1E: passed in 

2006; Proposition 1: 2014; Proposition 12: 2000). At the county level, the correlation 

between percent of votes cast in support of each proposition was >0.8. We substituted 

voting records for Proposition 1E at the HUC12 level into the model, and found the 

same relationship with restoration (coefficient estimate=0.96, SE=0.36, model 

AIC=605; as compared to values for Proposition 84: coefficient=1.43, SE=0.29, 

model AIC=594). Although voting for each proposition varies, the general patterns 



 

116 

 

appear to be maintained, as others have found (Press 2003). We chose Proposition 84 

for our models because it elicited the most variation in votes. 

To assess whether our results were driven by the fish focus of the largest 

restoration database in our study (the Fisheries Restoration Grant Program), we 

excluded all projects from that database and reran our models. The results were robust 

- although there were slight changes in coefficient estimates and slightly larger 

confidence intervals following the exclusion of the many projects in this database, 

there were no changes in significance or direction of effect for any of the model 

terms. 

We tested the residuals from our full ecological model for spatial 

autocorrelation using plots of semivariance (Zuur et al. 2009). We used the gstat 

package in R to calculate and plot variograms of the deviance residuals, and found no 

evidence of spatial autocorrelation (Pebesma 2004; Gräler & Pebesma 2016).  

The linear models for spending had poor fit due to the many zero values. We 

refit the models using a tobit regression (for censored data; package censReg 

(Henningsen 2017)). The coefficient estimates were larger, but patterns of 

significance and direction were unchanged, so we retained the simpler linear models 

in the paper. 
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