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Abstract 
 

Wetlands as Best Management Practices to Mitigate Agricultural Nonpoint Source Pollution 
 

by 
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University of California, Berkeley 
 

Professor David Sedlak, Co-Chair 

Professor William Stringfellow, Co-Chair 

 
 

Technological advances in modern agriculture and the application of nitrogen-based 
synthetic fertilizers and manure to agricultural crops have increased crop yields and food 
production for the world’s growing population. However, a significant portion of the applied 
nitrogen is in excess of crop needs. This results in leaching of nitrate into the groundwater 
and eutrophication of surface water systems via surface runoff. Agricultural pesticides are 
also required to maintain high levels of crop production.  As a result of their inherent 
toxicity, they have adverse effects on the environment when they leave agricultural systems. 
Wetlands have been offered as Best Management Practices (BMPs) for the treatment of 
return flows from irrigated agriculture. To investigate nitrate removal kinetics in wetlands 
receiving agricultural drainage, field studies were conducted and nitrate removal efficiencies 
were determined in three agricultural wetland sites (Chapter 2). Microcosm studies were 
conducted to supplement field data and to provide insight into removal kinetics. The results 
suggest that wetlands constructed for purposes of wildlife habitat can remove nitrate from 
irrigation return flows, but efficiencies are typically low, with nitrate mass removal 
efficiencies ranging from 23% to 35% in wetlands examined in this study. Modified areal 
first-order removal rate constants (k) determined for field sites varied between 4.0 and 12.1 
cm d-1. Microcosm studies were used to supplement field studies and to determine saturation 
kinetics which was practically impossible to measure in the field. The first order nitrate 
removal rate for the microcosm (12.97 cm d-1) was approximately equal to the observed k-
value from Ramona Lake, the source of the sediments used in the microcosm, suggesting the 
value of microcosms for estimating nitrate removal rates in wetlands. Measurement of 
saturation kinetics in the microcosm system showed that the apparent half-saturation constant 
(Km) and maximum removal rate (Jmax) were 43.8 mg L-1 and 4.1 g m-2 d-1 respectively, for 
these sediments. Estimates of land requirements for wetlands in one agricultural watershed 
indicated that less than 3 % of the watershed area would need to be devoted to wetlands to 
achieve an effluent nitrate concentration of 0.5 mg L-1, the target value for limiting the 
growth of nuisance algae.  
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Chlorpyrifos is the most widely used organophosphate insecticide in California’s San 
Joaquin Valley and is widely used elsewhere. While several prior studies evaluated the 
effectiveness of different best management practices (BMPs) for chlorpyrifos mitigation, 
these studies have mostly focused on sorption of chlorpyrifos to wetland sediments and soils 
with removal efficiency assessed by measuring inlet and outlet concentrations. To assess the 
long-term performance of wetlands, it is also important to know the ultimate fate of 
chlorpyrifos in wetland sediments. Specifically, particle-associated pesticides stored in the 
sediments can be transported via runoff and other processes to surface water systems. Three 
different phosphoesterase enzymes; phosphomonoesterase, phosphodiesterase and 
phosphotriesterase, are involved in chlorpyrifos biotransformation pathway; however, the 
link between these enzymes and chlorpyrifos biotransformation rates had not been previously 
addressed. The research presented in this dissertation demonstrated that wetland sites showed 
temporal and spatial variation in observed chlorpyrifos biotransformation rates, with half-
lives ranging from 1 to 35 days under aerobic conditions (Chapter 3). Chlorpyrifos 
transformation slowed significantly under anaerobic conditions, with a half-life of 
approximately 92 days. Biodegradation rates decreased significantly in sediments from the 
Hospital Creek site during 2011 due to flooded conditions that preceded sample collection. 
These results suggest that allowing a wet-dry cycle can enhance the transformation rates of 
an organophosphate insecticide in these systems by providing aerobic conditions in 
sediments. The dry phase would encompass the non-irrigation season in late fall and winter, 
and the wetland would be flooded again in spring and summer when the irrigation season 
begins. There was significant correlation between phosphotriesterase activity and the 
chlorpyrifos biotransformation rates, with this relationship varying among sites. 
Phosphotriesterase activities may be useful as an indicator of biodegradation potential with 
reference to the previously established site-specific correlations.   

In addition, kinetic parameters obtained in the laboratory studies were used to model 
agricultural non-point source pollution in California’s San Joaquin River (SJR) watershed 
using a previously developed water quality model WARMF (Watershed Analysis Risk 
Management Framework) (Chapter 4). The results of the nitrate simulations suggest that a 
wetland area about 1.8% of the agricultural land in the Orestimba Creek watershed could 
significantly reduce nitrate concentrations supporting our results from Chapter 2. The results 
of the chlorpyrifos simulations underlined the importance of the management strategies to 
enhance the biotransformation rates. The scenario using enhanced biotransformation rates 
was more effective at reducing chlorpyrifos concentrations to values below regulatory limits 
compared to the 30% chlorpyrifos use reduction scenario. From a management perspective of 
view, use reduction should be implemented together with other best management practices if 
possible, especially in impaired surface waters.  Given the difficulty with completely 
eliminating organophosphate pesticide use in agriculture under present conditions, 
management strategies for enhanced organophosphate pesticide removal are of crucial 
importance in efforts to keep the organophosphate pesticide concentrations within regulatory 
limits.  
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Chapter 1. Introduction 
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1.1 Nonpoint Source Agricultural Pollution and Wetlands 
Expanded use of intensive farming practices, urbanization, and the global modification of 

freshwater hydrologic systems by dams and diversion has resulted in loss of wetlands and other 
landscape features that provide ecosystem services on a world-wide scale (Blann et al. 2009, 
Rabalais et al. 2009, Stringfellow and Jain 2010). There is a trend of restoring wetlands and 
developing treatment wetlands in the US and elsewhere (Kim 2010). The objectives of wetland 
restoration are expanding from the creation or preservation of wildlife habitat to include 
incorporation of nutrient removal or other ecosystem services in constructed, restored, or 
managed wetlands that are used for environmental mitigation (Euliss et al. 2008, Ghermandi et 
al. 2010, Kim 2010). To effectively restore ecosystem services to address fundamental problems, 
such as nutrient and pesticide flux from agricultural watersheds, restoration efforts need to be 
designed and implemented on a watershed or regional scale (Arheimer and Wittgren 1994, 2002, 
Arheimer et al. 2004, Verhoeven et al. 2006, Blann et al. 2009, Thiere et al. 2009, Moreno-
Mateos and Comin 2010, Stringfellow and Jain 2010). However, tools for establishing basic 
design criteria, such as methods for sizing treatment wetlands, are still needed (Kadlec 2000, 
Hansson et al. 2005, Moreno-Mateos and Comin 2010, Stringfellow and Jain 2010). 

A significant body of work has been developed concerning the treatment of urban 
stormwater and municipal wastewater effluents in treatment wetlands (Kadlec and Knight 1996, 
Bachand and Horne 2000b, Day et al. 2004, Collins et al. 2010). However, there is less known 
about the application of wetlands for the treatment of agricultural drainage water.  The majority 
of studies concerning the use of constructed wetlands to treat agricultural drainage have focused 
on drainage and runoff from livestock farming, such as dairy catchments or concentrated animal 
feeding facilities (Hammer 1989, McGechan et al. 2005, Kadlec and Wallace 2008, Zaman et al. 
2008). Livestock farming wastewaters typically contain high concentrations of reduced carbon 
and nitrogen compounds and therefore have a high biochemical oxygen demand (BOD). The 
hydrology and chemical properties of drainage from irrigated croplands differ from both urban 
storm-flow and municipal wastewater effluents (Kadlec and Knight 1996, Letain and 
Stringfellow 2007, Domagalski et al. 2008, Stringfellow 2008, Stringfellow et al. 2008, Collins 
et al. 2010).  Agricultural runoff may be dominated by runoff from cropland, which typically has 
low concentrations of organic carbon, ammonia and other reduced nitrogen compounds and 
higher relative concentrations of nitrate. In addition, agricultural runoff often contains elevated 
concentrations of pesticides (Domagalski et al. 2008, Stringfellow 2008, Stringfellow et al. 2008, 
Beutel et al. 2009, Blann et al. 2009, Budd et al. 2009, Engelage et al. 2009). Agricultural 
drainage is a major source of diffuse pollution worldwide and is an important contributing factor 
to the widespread eutrophication of anthropogenically impacted rivers and estuaries (Heathwaite 
et al. 1996, Smith et al. 1999, Smith 2003, Diaz and Rosenberg 2008, Stringfellow and Jain 
2010). Wetlands have been offered as Best Management Practices (BMPs) for the treatment of 
return flows from irrigated agriculture (Comin et al. 1997, Braskerud 2002, Fink and Mitsch 
2004, Hernandez and Mitsch 2007, Beutel et al. 2009, Budd et al. 2009, Diaz et al. 2010, 
Stringfellow 2010). Further information on how wetlands remove nutrients, pesticides and other 
pollutants from cropland drainage is needed if wetlands are to be adequately designed for the 
mitigation of agricultural impacts on the watershed scale. 
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1.2 Nitrate Pollution in Agricultural Watersheds 
Technological advances in modern agriculture and the application of nitrogen-based 

synthetic fertilizers and manure to agricultural crops increased crop yields and food production 
for the world’s growing population. Following World War II, fertilizer use expanded rapidly in 
the US and maintained a high level of use (Fig. 1-1, Fig. 1-2) (USDA 2012). However, a 
significant portion of the applied nitrogen is in excess of crop needs, resulting in leaching of 
nitrate into the groundwater and eutrophication of surface water systems (Viers 2012). These 
adverse consequences have the potential to impact biodiversity and affect human health at local 
and regional levels. It has been reported that total nitrogen levels greater than 0.5 mg L-1 in 
surface waters can result in large masses of nuisance algae unless other factors limit algae 
growth (Biggs 2000). It has also been reported that nitrate concentrations above 2.0 mg L-1 can 
cause toxicity in a variety of freshwater organisms (Camargo et al. 2005). Elevated nitrate levels 
in drinking water have been linked to thyroid cancer, skin rashes, hair loss, birth defects and 
methemoglobinemia (blue baby syndrome), a potentially fatal blood disorder in infants (Galaviz-
Villa et al. 2010, Ward et al., 2005).  

A recent study revealed that nitrate contamination in groundwater from fertilizer and animal 
manure is severe and getting worse for hundreds of thousands of residents in California’s 
farming communities (Harter 2012). According to the study, 10 percent of the 2.6 million people 
living in the Tulare Lake Basin and Salinas Valley are currently at risk for nitrate contamination 
of their drinking water. Approximately 96% of this contamination comes from agriculture, while 
only 4% can be attributed to water treatment plants, septic systems, food processing, landscaping 
and other sources (Harter 2012). The current maximum contaminant level (MCL) for nitrate in 
drinking water is 10 mg/l as NO3-N established by US EPA (EPA 2000).  

Widespread occurrence of elevated nitrate concentrations has been reported in the Eastern 
San Joaquin Valley, CA (Dubrovsky et al. 1998). California’s Central Valley is one of the top 
three regions in the US where the MCL for nitrate is exceeded in public drinking water wells 
(SWRCB 2011). During 1993-1995, 24% of the wells sampled exceeded US EPA’s MCL for 
nitrate (Dubrovsky et al. 1998), which increased to 29% exceedance in the same region during 
sampling between 2001-2002 (Burow et al. 2008). Concentrations of nitrate ranged from 0.05 
mg L-1 to 75 mg L-1 with the median being 6.4 mg L-1 (Burow et al. 2008). This trend is expected 
to persist over the long term, owing to continued nitrogen inputs and fertilizer use (Figure 1-1, 
Figure 1-2). 
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Figure 1-1. Nitrogen-based fertilizer use between years 1960-2010 in the United States (USDA 
2012). 
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Figure 1-2. Percent use of nitrogen-based fertilizers in total fertilizer use between years 1960-
2010 in the United States (USDA 2012). 
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1.2.1 Best Management Practices (BMPs) for Nitrate Mitigation  

Several studies have shown wetlands to be effective as structural best management practices 
(BMPs) for nitrate removal. Beutel et al. (2009) conducted a study on a constructed wetland 
treatment system specifically designed to treat irrigation return-flows in the Yakima Basin, 
Washington. Reported areal nitrate removal rates ranged from 100 to 200 mg m-2 d-1 (Beutel et 
al. 2009). In a two year study, Jordan et al. (2003) reported an average nitrate removal efficiency 
of 52% in a restored wetland treating agricultural runoff in Maryland under a variable flow 
regime. Kovacic et al. (2006) studied nitrate removal in two small constructed wetlands placed 
between tile drains and the river and reported mass nitrate removal efficiencies of 23% and 44%. 
In another study, Fleming-Singer and Horne (2002) reported maximum rates of 500 mg m-2d-1 
and a bimodal seasonal pattern in nitrate removal rates, with peak rates observed in the spring 
and fall in a managed wetland receiving in-flow from San Diego Creek. In the Prado wetland, 
which is supplied by high nitrate, low carbon flows from the Santa Ana River, nitrate removal 
was higher, with a mean removal rate of nitrate-nitrogen of 2800 mg m-2d-1 (Bachand and Horne 
2000a). Bachand and Horne (2000) compiled a table of observed nitrate removal rates from a 
number of studies with the rates ranging from 2 to 4100 mg m-2d-1. 

As mentioned in the previous section, studies on nitrate removal in wetlands receiving urban 
stormwater and municipal wastewater effluents greatly outnumber studies on the application of 
wetlands for nitrate removal from agricultural drainage water. Since the hydrology and chemical 
properties of agricultural drainage differ from both urban storm-flow and municipal wastewater 
effluents, results from these systems are not applicable for agricultural drainage. As a result, 
there is a need for more data on nitrate removal kinetics in wetlands for the mitigation of 
agricultural impacts at the watershed scale. 

1.2.2 Nitrate Removal Pathways in Wetlands 

Important nitrate transformation processes in wetland ecosystems include plant and algal 
assimilation as well as the microbially mediated nitrification and denitrification reactions 
(Mitsch and Gosselink 2000). Nitrification is the two-step microbial oxidation of NH3-N to NO3-
N that occurs in the aerobic zone in wetland sediments, or in the oxidized rhizosphere of wetland 
plants. In relatively well defined biological nutrient removal systems, such as conventional 
wastewater treatment plants, the nitritation step (oxidation of ammonia to nitrite) (Eq. 1-1) is 
carried out primarily by Nitrosomonas and the nitrification step (oxidation of nitrite to nitrate) is 
mediated by Nitrobacter species (Eq. 1-2). (Metcalf & Eddy  1998, Kadlec and Wallace 2008).   

 
2NH4

+ + 3O2 → 2NO2
- + 2H2O + 4H+                        (1-1) 

 
2NO2

- + O2 → 2NO3
-             (1-2) 

 
Natural systems, however, are more complex than biological nutrient removal systems in 

conventional wastewater treatment plants and recent studies identified more ammonia oxidizing 
genera, such as Nitrosomonas, Nitrosococcus, Nitrosospira, Nitrosovibrio, Nitrosolobus (Bothe 
et al. 2000). Under many circumstances nitritation occurs in two steps, rather than one (Eq. 1-3 
and Eq. 1-4) (Bothe et al. 2000). 

 
 



 

7 
 

NH3
 + O2 + 2H+

 + 2e- → NH2OH + H2O                       (1-3) 
 
NH2OH + H2O → NO2

- + 5H+ + 4e-           (1-4) 
 
In the equations above, the first step is catalyzed by ammonia monooxygenase and the 

second is catalyzed by hydroxylamine oxidoreductase. The presence of hydroxylamine as an 
intermediate in the reactions is believed to present alternate nitrogen processing possibilities 
(Bothe et al. 2000). Although ammonia oxidizing bacteria are generally regarded as obligatory 
chemolithoautotrophs, some heterotrophic bacteria and fungi can also oxidize ammonia and 
reduced nitrogen from organic compounds to hydroxylamine, nitrite and nitrate (Focht and 
Verstraete 1977). Furthermore, some heterotrophic bacteria, such as Paracoccus denitrificans 
and Pseudomonas putida, are capable of nitrification (Bothe et al. 2000). In some studies 
conducted in treatment wetlands, Nitrobacter was not found among nitrite oxidizing bacteria 
(Flood et al. 1999). In another study, Nitrospira was found to be much more abundant than 
Nitrobacter in a treatment wetland (Kadlec and Wallace 2008).  These findings suggest that 
different mechanisms for nitrogen processing exist in different wetland systems.  

Denitrification (dissimilatory nitrate reduction, nitrate respiration) is the reduction of NO3-N 
to gaseous N2O or N2 by facultative heterotrophs that occurs in the anaerobic zone of wetland 
sediments in the presence of labile carbon (Eq. 1-5).  

 
2NO3

- → 2NO2
- → 2NO- → N2O→ N2                      (1-5) 

 
Denitrification is carried out by a variety of different microorganisms including species of 

Pseudomonas, Alcaligenes, Bacillus, Agrobacterium, Flavobacterium, Thiobacillus, 
Nitrosomonas, Rhizobium, Halobacterium, Paracoccus (Focht and Verstraete 1977, Knowles 
1982, Paul and Clark 1996). Denitrification rates in treatment wetlands can be 1 to 2 orders of 
magnitude greater than one found in natural lakes and estuarine ecosystems (Horne 1995). 

Nitrate removal processes in riparian systems are almost exclusively biological.  Nitrate 
removal is predominately mediated by microbial denitrification (as opposed to plant or algal 
assimilation), even in systems with high plant densities. Many riparian areas are functionally a 
mixture of seasonal and permanent wetlands and the spatial distribution and rates of 
denitrification in riverine wetlands is controlled by to hydrology, hydroperiod, and season. Plants 
play an important role in microbial denitrification by providing required organic carbon. In one 
study, denitrification rates in unvegetated open water were one third of those for vegetated 
systems (Arheimer and Wittgren 1994). In another study, nitrate removal was proportional to 
number of shoots in a Schoenoplectus spp. wetland (Smith et al. 2000). The complex 
biogeochemical processes and hydrology found in wetland ecosystems further complicates the 
study of wetlands and their potential use for nitrate removal. 

1.3 Organophosphate Pesticides  
Together with the fertilizers, agricultural pesticides are indispensable in modern farming. 

Pesticides help maintain high levels of production, but they can have adverse effects on aquatic 
ecosystems (Schulz 2004). An important pathway for unintentional introduction of these 
compounds into aquatic ecosystems is surface runoff from treated lands. Runoff from irrigation 
and precipitation mobilize and transport dissolved and particulate-associated pesticides into 
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adjacent water bodies, where they may impact non-target aquatic invertebrates and fish 
(Pedersen et al. 2006). 

Due to the persistence and toxicity of organochlorine insecticides, more biodegradable and 
environmentally less problematic insecticides have become more popular in recent years. The 
use of organophosphate insecticides has been growing as an alternative, as they are more 
biodegradable and efficient than their predecessors (Karpouzas and Singh 2006). 
Organophosphate pesticides rank among the most widely used pesticides in the United States and 
are used extensively worldwide. The term organophosphate refers to the chemical structure of 
these pesticides, which centers around a phosphorus atom (Figure 1-3). Over 500 million kg of 
pesticides are used each year in the United States, of which approximately 18 million kg consist 
of organophosphate insecticides (EPA 2011). In California’s San Joaquin Valley, four counties 
are ranked in the top ten nationally for both agricultural production and pesticide use (USDA-
NASS 2005, CDPR 2011). 

Organophosphate insecticides are ubiquitous in streams and surface waters draining 
agricultural and urban areas in the US. Section 303(d) of the Federal Clean Water Act requires 
that states develop a list of water bodies that do not meet water quality standards, establish 
priority rankings for waters on the list, and develop action plans, called Total Maximum Daily 
Loads (TMDL), to improve water quality. The San Joaquin River and its tributaries are on the 
California 303(d) List for impairment by the organophosphate insecticides chlorpyrifos and 
diazinon as well as several chlorinated insecticides (SWRCB 2011). 

Because of its widespread use in agriculture nationally and in California, relatively long 
persistence in sediments, its toxicity and potential contamination of surface water resources, 
chlorpyrifos was selected as a representative organophosphate pesticide for this research. 

1.3.1 Chlorpyrifos  

The organophosphate chlorpyrifos (O,O-diethyl O-3,5,6-trichloro-2 
pyridylphosphorothioate) is one of the most intensively used organophosphate insecticides in 
agriculture (Figure 1-3). Chlorpyrifos has limited solubility in water (i.e., approximately 1.3 
mg/L) and a moderately high octanol-water partition coefficient (i.e., 104.96) (Howard 1999, 
Rogers and Stringfellow 2009). As a hydrophobic compound, chlorpyrifos partitions from water 
to surfaces (Rogers and Stringfellow 2009). 
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Figure 1-3. Structure of chlorpyrifos. 

1.3.1.1 Use Trends 

Chlorpyrifos was commonly used for both household and agricultural applications until it 
was banned for household use by the USEPA in 2000 (EPA 2000). Its use in Europe is also 
subject to special regulations. The European Union (EU) Water Framework Directive lists 
chlorpyrifos among 33 priority substances, for which Environmental Quality Standards (EQS) 
are required (Commission 2000). It is still one of the most widely used organophosphate 
insecticides in agriculture in US and the most commonly used insecticide in California (CDPR 
2011). It is applied on a variety of agricultural products including cotton, alfalfa, wheat, almond, 
walnut, orange, lemon, grape, peach, apple, plum, pear, fig, cherries, grapefruit, tangerine and 
vegetables, such as corn, broccoli, sugarbeet, cauliflower, asparagus, cabbage, sweet potato, 
brussel sprout, onion (Turner 2003). Each year, an estimated eight to ten million kg of 
chlorpyrifos are applied in the US (EPA 2011). In 2010, 583,000 kg of chlorpyrifos (active 
ingredient) was applied in California (CDPR 2011). The trend of chlorpyrifos application (active 
ingredient) and the cumulative acres treated with chlorpyrifos in California between years 2001 
and 2010 are shown in Figure 1-4 and Figure 1-5 respectively. 
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Figure 1-4. Chlorpyrifos application between years 2001-2010 in California (CDPR 2011). 
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Figure 1-5. Cumulative acres treated with chlorpyrifos between years 2001-2010 in California 
(CDPR 2011). 

1.3.1.2 Environmental Impacts  

Chlorpyrifos, like other organophosphate insecticides, owes its toxicity to the inhibition of 
acetylcholinesterase, an enzyme that degrades the neurotransmitter molecule acetylcholine 
(Karpouzas and Singh 2006). Exposure to toxic quantities of chlorpyrifos results in excessive 
stimulation of the nerve cells due to the lack of acetylcholine degradation. There is a large 
database of chlorpyrifos toxicity values for freshwater aquatic species. The 96-hr chlorpyrifos 
LC50 value (i.e., the concentration required to kill half of the members of a tested population 
after 96 hours of exposure) for Ceriodaphnia dubia ranges from 0.06 to 0.09 µg/L (de Vlaming 
et al. 2000). Acute LC50 for freshwater fish species for chlorpyrifos range from 1.8 µg/L for 
bluegill sunfish (Lepomis machrochirus) to 595 µg/L for mosquitofish (Gambusia affinis) 
(Turner 2003). The California Department of Fish and Game water quality criteria for protection 
of freshwater and aquatic life lists a threshold value for acute chlorpyrifos toxicity (i.e., a 
concentration not to be exceeded for more than 1 h every three years) of 0.07 µg/L, and a chronic 
chlorpyrifos toxicity value (i.e., a concentration not to be exceeded for more than 4 d once every 
three years) of 0.02 µg/L (de Vlaming et al. 2000). 

Toxicity identification evaluation (TIE) methods have been applied broadly to identify the 
causes of toxicity in both water and sediments. Organophosphate insecticides, including 
chlorpyrifos, have been routinely identified by TIE testing as causes of toxicity in surface waters 
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in northern California (de Vlaming et al. 2000, Werner et al. 2000, Bailey et al. 2001). A review 
paper by de Vlaming et al. (2000) summarized the TIE studies conducted in California’s Central 
Valley and demonstrated that chlorpyrifos and diazinon were the primary cause of the ambient 
toxicity.  

Pulses of chlorpyrifos have been reported in the San Joaquin and Sacramento Rivers in 
California (Domagalski et al. 1997, Poletika et al. 2002, Hladik et al. 2009). For example,  
during two storm events in 2008, Hladik et al. (2009) detected chlorpyrifos associated with 
suspended sediments in the San Joaquin River and its tributaries in 63% of the total samples with 
concentrations ranging from 2.2 µg/kg to 9.9 µg/kg (dry weight). Field case studies on 
chlorpyrifos contamination in surface waters in US due to agricultural practice since 1995 are 
listed in Table 1-1. These data suggest that in most cases chlorpyrifos concentrations were well 
above the thresholds for toxicity in aquatic organisms.   
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Table 1-1. Summary of field case studies on chlorpyrifos contamination in surface waters in US 
due to agricultural practice since 1993. 

Location Concentration Source Number of 
detections Reference 

Royal Lake, WA 0.004-0.12 µg/L leaching 15 Gruber and Munn (1998) 

San Joaquin River 
watershed, CA 0.06-0.52 µg/L 

non-
point 
sources 

8 Werner et al. (2000) 

White River, IN 0.13 µg/L runoff 1 Chen et al. (2002) 

San Joaquin River 
watershed, CA 0.01-0.26 µg/L runoff 17 Domagalski et al. (1997) 

Salinas River, CA 0.03-3.2 µg/L runoff 52 Hunt et al. (2003) 

Sandusky River, OH 0.02-3.8 µg/L runoff 7 Richards and Baker (1993) 

San Joaquin – 
Sacramento estuary, 
CA 

1.0-2.1 µg/kg runoff 7 Bergamaschi et al. (2001) 

Turlock Irrigation 
Ditch, CA 0.67 µg/L runoff 7 Giesy et al. (1999) 

Sandusky River, OH 0.2-2.8 µg/L runoff 7 Giesy et al. (1999) 

San Joaquin River 
watershed, CA 2.2-9.9 µg/kg runoff 33 Hladik et al. (2009) 
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1.3.1.3 Best Management Practices (BMPs) for Chlorpyrifos Mitigation 

Natural treatment systems, including treatment wetlands, vegetated ditches and filter strips, 
have been proposed as structural best management practices (BMPs) for the control of 
chlorpyrifos. Poletika et al. (2009) reported 85% chlorpyrifos removal efficiency with uniform 
runoff flow in vegetated filter strips (4.6 m in length) consisting of 90% smooth brome (Bromus 
inermis Leyss.) and 10% bluegrass (Poa pratensis L.). In a similar study, 83.1% of the 
chlorpyrifos was retained in vegetated buffer strips (Arora et al. 2003). 

Gill et al. (2008) compared a vegetated ditch to a conventional ditch as a best management 
practice in irrigated alfalfa. Concentrations of chlorpyrifos in irrigation runoff ranged from 0.22 
µg/L to 1.67 µg/L. At the end of a 200 m vegetated ditch, 38% concentration reduction was 
achieved compared to 1% reduction in a conventional tail water ditch (Gill et al. 2008). In 
another study, Moore et al. (2011) investigated the effectiveness of vegetated agricultural 
drainage ditches with respect to removal of chlorpyrifos from alfalfa field runoff. Chlorpyrifos 
concentration decreased by 20% from the inflow to the ditch outflow and 32% of the 
chlorpyrifos mass was associated with ditch plant material (Moore et al. 2011).  

Schulz and Peall (2001) conducted a study in the Lourens River Catchment, South Africa 
and evaluated the efficiency of a constructed wetland for mitigation of non-point source pesticide 
pollution. They found inlet chlorpyrifos concentrations of up to 31 µg/g on suspended sediment 
particles, while no chlorpyrifos was detected in the outlet samples (Schulz and Peall 2001). In 
another study, Moore et al. (2002) tested constructed wetlands to mitigate chlorpyrifos runoff. 
They simulated a runoff event and amended the wetland mesocosms with chlorpyrifos 
concentrations of 73, 147 and 733 µg/L. At the end of the 12 weeks study, they reported 
chlorpyrifos removal ranging from 83% to 98% (Moore et al. 2002).  Sherrard et al. (2004) 
studied chlorpyrifos removal in four wetland mesocosms during a simulated runoff and found a 
98% decrease in chlorpyrifos concentration from inlet in 72 h (Sherrard et al. 2004). Budd et al. 
(2009) reported that two constructed wetlands adjacent to San Joaquin River, California obtained 
a seasonal average chlorpyrifos removal range of 52 to 61% (Budd et al. 2009).  

These findings suggest that wetlands can be an effective alternative to vegetated ditches, 
especially in larger watersheds, since they can accommodate larger drainage areas and handle 
higher discharge loads. A wetland system may be more chemically reactive due to the complex 
nature of its heterogeneity and the presence of favorable conditions, such as pH and redox 
conditions, that may result in enhanced chemical transformation of organophosphate pesticides. 

1.3.2 Environmental Fate of Chlorpyrifos in Wetlands 

1.3.2.1 Sorption 

When chlorpyrifos enters a wetland, it is rapidly sorbed to soil and plant surfaces due to its 
hydrophobic nature. Hence, the short-term fate of chlorpyrifos in wetlands is controlled by 
sorption (Rogers and Stringfellow 2009). Sorption is an important mechanism in natural 
treatment systems because it prevents the instantaneous peak concentrations often observed in 
surface waters. It also allows time for attenuation to occur by degradation reactions.  

The interactions of pesticides with soils have been the subject of much study, with well-
established theory and approach quantifying sorption using adsorption isotherms (Cheng 1990). 
To characterize the sorption of pesticides to soil, it is assumed that for a given concentration, an 
equilibrium is established between the pesticide sorbed onto the soil surface and the pesticide in 
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solution, with the ratio of the two expressed as a distribution coefficient, Kd (Schwarzenbach 
2003). The distribution coefficients for chlorpyrifos in a variety of soils range from 45 to 1300 L 
kg -1 (Garcia et al. 1992, Huang and Lee 2001, Baskaran et al. 2003, Wu and Laird 2004, Yu et 
al. 2006, Rogers and Stringfellow 2009).   

The interaction of pesticides with plants is more complicated because there can be reactions 
with both external and internal surfaces as well as possible uptake into plant tissues (Rogers and 
Stringfellow 2009). Distribution coefficients for chlorpyrifos on submergent aquatic plants range 
from 1660 to 2150 L kg -1 (Crum et al. 1999). Rogers and Stringfellow (2009) reported that 
sorption to whole plant stems (Kd = 570–1300 L kg-1) was more than 10 times higher than to soil 
(Kd = 40–71 L kg-1). Chopped plant material had Kd values 7.6–96.2% greater than whole stems 
and wetland plants with high internal surface area had greater linear partitioning coefficients than 
terrestrial plants with a hollow structure (Rogers and Stringfellow 2009). 

1.3.2.2 Microbial Transformation 

 After sorption equilibrium is reached, degradation processes become important in 
determining the ultimate fate of chlorpyrifos. Microbial degradation is a major factor 
determining the fate of organophosphate pesticides in the environment (Yang et al. 2005). 
Organophosphate pesticides contain three phosphoester linkages, often termed phosphotriesters. 
The organophosphate pesticide biotransformation pathway by most bacteria have been shown to 
be similar, with phosphotriesterase (PTE), also called organophosphate hydrolase, catalyzing the 
first degradation step, hydrolysis of P-O-alkyl and P-O-aryl bonds (Figure 1-6) (Singh and 
Walker 2006). 
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Figure 1-6. Biotransformation pathway for chlorpyrifos (based on information from (Feng et al. 
(1998), Karpouzas and Singh (2006), Singh and Walker (2006)). 
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PTE is a zinc metalloenzyme that was initially isolated from strains of soil bacteria capable 
of hydrolyzing a variety of organophosphate compounds, including agricultural pesticides and 
chemical warfare agents (Dumas et al. 1989, Aubert et al. 2004). This enzyme is reportedly 
responsible for the biotransformation of organophosphate insecticides (Caldwell and Raushel 
1991, Raushel 2002, Sogorb and Vilanova 2002, Cho et al. 2004, de la Pena Mattozzi et al. 2006, 
Istamboulie et al. 2009, Weston and Jackson 2009). Phosphomonoesterase and 
phosphodiesterase enzymes have been shown to be involved in chlorpyrifos mineralization by 
making phosphorus available for uptake by microorganisms (Singh et al. 2004).   

 Bacterial phosphodiesterase has been purified from a wide range of organisms, including 
Escherichia coli (Imamura et al. 1996) and Burkholderia caryophylli PG2982 (Dotson et al. 
1996). A novel phosphodiesterase was isolated and cloned from Delftia acidovorans which has 
both mono- and diesterase activity (Tehara and Keasling 2003). This enzyme allows the 
microorganism to use diethyl phosphonate as a sole source of phosphorus under phosphorus-
limiting conditions. The final enzyme in the postulated transformation pathway is alkaline 
phosphatase, which can hydrolyze simple monoalkyl phosphates (Singh et al. 2004). 

The most prominent of the heterocyclic metabolites from chlorpyrifos degradation in soils is 
3,5,6-trichloro-2-pyridinol (TCP), the phosphotriesterase product.  Other heterocyclic products 
have been identified, including chlorpyrifos oxon (O,Odiethyl O-3,5,6-trichloro-2-pyridyl 
phosphate), desethyl chlorpyrifos (O-ethyl O-3,5,6-trichloro-2-pyridyl phosphate),  and TMP 
(3,5,6-trichloro-2 methoxypyridine) (Figure 1-7); however, TCP has been consistently found at 
comparatively higher concentrations (Huang et al. 2000). 

Chlorpyrifos can be transformed co-metabolically in solution by Flavobacterium sp. and 
Pseudomonas diminuta, strains that were initially isolated from a diazinon treated field and by 
parathion enrichment, respectively (Serdar et al. 1982). However, these microorganisms do not 
utilize chlorpyrifos as a source of carbon. A Micrococcus sp. isolated from a malathion enriched 
soil was later reported to degrade chlorpyrifos in aqueous media (Guha et al. 1997).  

Chlorpyrifos transformation rates can vary widely in different soils with half-lives ranging 
from 10 to 120 days (Racke 1993, Singh et al. 2003, Bondarenko and Gan 2004, Lu et al. 2006). 
This large variation in half-lives has been attributed to different environmental factors, such as 
soil type, soil pH, moisture content, temperature, and organic carbon content. When soils are 
repeatedly exposed to chlorpyrifos, some microorganisms may exhibit an enhanced capability to 
transform the compound, a phenomenon called enhanced biodegradation (Singh et al. 2003). 
Chlorpyrifos has been previously reported to be resistant to enhanced degradation in soils (Racke 
et al. 1990).  

A possible reason for resistance of chlorpyrifos to enhanced biodegradation is the toxic 
effects of TCP (Racke et al. 1990). TCP contains three chlorine atoms on the pyridinol ring. To 
break the pyridinol ring of TCP, three chlorine atoms attached to the ring have to be removed. 
The resulting free chlorine may have toxic effects on the microorganisms (Feng et al. 1997). 
Because of this phenomenon, it has been problematic to isolate a pure bacterial strain capable of 
degrading chlorpyrifos from repeated treatments or enrichment of soil samples (Racke et al. 
1990, Mallick et al. 1999). Singh et al. (2003) suggested that chlorpyrifos is degraded by non-
specific and non-inducible enzyme systems produced in high pH soils. This suggests that 
chlorpyrifos is co-metabolically hydrolyzed, and enhanced degradation does not occur normally 
due to the toxic effects of TCP. However, Singh et al. (2004) was able to isolate an Enterobacter 
sp. from an Australian soil that exhibited enhanced degradation of chlorpyrifos. This bacterium 
degrades chlorpyrifos to DETP and TCP and utilizes DETP as a source of carbon and 
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phosphorus (Singh et al. 2004). In a similar study, Yang et al. (2005) used an enrichment culture 
from a contaminated soil to isolate an Alcaligenes faecalis DSP3 strain which was able to 
degrade chlorpyrifos and use it as the sole carbon and phosphorus source. It was shown that A. 
faecalis DSP3 strain was able to tolerate TCP concentrations as high as 800 mg/L (Yang et al. 
2005). Feng et al. (1997) first reported the isolation of a Pseudomonas strain ATCC 700113 that 
mineralized TCP in liquid medium with the concurrent evolution of chlorine. Further studies 
suggested that metabolism of TCP follows two successive dechlorination steps leading to the 
formation first of chlorodihydro-2-pyridone and then tetra-hydro-2-pyridone (Feng et al. 1998) 
(Figure 1-4). In another study, a Bacillus pumilus strain C2A1 isolated from soil was highly 
effective in degrading chlorpyrifos and its metabolite TCP (Anwar et al. 2009). 

 

Figure 1-7. Alternate transformation products of chlorpyrifos identified in previous studies 
(Huang et al. 2000). 
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1.3.2.3 Hydrolysis 

Abiotic hydrolysis is an important transformation mechanism when chlorpyrifos is found in 
the aqueous phase. Hydrolysis of organophosphate insecticides involves the breakdown of one of 
the phosphoric or thiophosphoric esters and is strongly dependent on pH and other solution 
conditions (Liu et al. 2001). Neutral and alkaline hydrolysis have been presented as two possible 
mechanisms for chlorpyrifos hydrolysis (Liu et al. 2001). Neutral hydrolysis is initiated by 
nucleophilic attack of water at the less saturated carbon (soft center), resulting in the loss of the 
alkyl leaving groups. In contrast, alkaline hydrolysis involves the nucleophilic attack of the 
hydroxide ion at the phosphorus atom (hard center) leading to the loss of the phenolic leaving 
group (Liu et al. 2001). 

Reported chlorpyrifos hydrolysis half-lives in aqueous systems range from 11 to 210 days, 
depending on the experimental conditions (Racke et al. 1996, Liu et al. 2001, Pehkonen and 
Zhang 2002). Macalady and Wolfe (1983) reported chlorpyrifos hydrolysis half-lives in buffered 
distilled water at 25oC as 53 d, 141.6 d, and 10 d at pH 5.90, pH 6.11 and pH 9.77 respectively 
(Macalady and Wolfe 1983). While water and its hydrolysis products are the dominant 
nucleophiles, the presence of metal ions could also affect the rate of chlorpyrifos hydrolysis. 
Meikle and Youngson (1978) reported chlorpyrifos hydrolysis half-lives of  62 d at pH 4.70 and 
35 d at pH 6.9 without Cu2+ addition, while they reported a hydrolysis half-life of 17 d at pH 
4.70 and 3 d at pH 6.9 in the presence of 1.5 x 10-5 M Cu2+ (Meikle and Youngson 1978). That 
Cu2+ concentration is higher than the range of Cu2+ concentrations observed in natural waters 
(i.e., 3 x 10-8 M to 5 x 10-7 M (Bowen 1985)) and would probably have a smaller effect on 
hydrolysis rates. 

1.3.2.4 Volatilization 

Chlorpyrifos has moderate volatility (Henry’s Law Constant, 4.2 Pa m3 mol-1, vapor 
pressure 2.5 mPa), limiting partitioning to the gas phase (Howard 1999). Volatilization may be a 
significant dissipation pathway in aquatic systems where spray application is used, leaving high 
concentrations of chlorpyrifos at the water surface. This phenomenon has not been specifically 
reported, but supporting evidence for volatilization has been reported (Racke 1993). 

1.3.2.5 Photolysis 

Photolysis may contribute to chlorpyrifos degradation in sediments if it is exposed to direct 
sunlight. Previous studies reported photolysis half-lives of 10-20 days in soil surface under 
continuous UV radiation (Walia et al. 1988, Graebing and Chib 2004). Under field conditions, 
however, continuous exposure to sunlight is unlikely and photolytic degradation will probably be 
much slower than reported values, especially during winter months. 
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1.4 Research Objectives 

1.4.1 Objective 1 – Investigating nitrate removal in wetlands receiving 
agricultural drainage 

While a significant body of research exists on the treatment of urban stormwater and 
municipal wastewater effluents in treatment wetlands, the application of wetlands for the 
treatment of agricultural drainage water has not been well studied. The applicability of first-order 
kinetic relationships developed in systems treating municipal wastewater to the sizing of 
treatment wetlands in agricultural watersheds is problematic, given large differences in 
hydrologic regimes, influent water quality, and the potential treatment goals for treatment 
wetlands in agricultural watersheds.  In the case of California’s San Joaquin Valley, wetlands are 
being considered for mitigation of agricultural impacts, but large uncertainty in the land 
requirements are a major impediment to full-scale implementation. To investigate nitrate 
removal kinetics in wetlands receiving agricultural drainage, field studies were conducted and 
nitrate removal efficiencies were determined at three sites. Microcosm studies were conducted to 
supplement field data.  The measured kinetic parameters were used to estimate the amount of 
land area that would need to be devoted to wetlands in order to mitigate agricultural impacts on a 
watershed scale. 

1.4.2 Objective 2 – Investigating factors controlling organophosphate pesticide 
biodegradation rates in wetland sediments 

Chlorpyrifos is the most widely used organophosphate insecticide in California’s San 
Joaquin Valley and is widely used elsewhere. While there have been several studies evaluating 
the effectiveness of different BMPs on chlorpyrifos mitigation, these studies have mostly 
focused on sorption of chlorpyrifos to wetland sediments and soils, with removal efficiency 
assessed by measuring inlet and outlet concentrations in water samples. However, it is also 
important to elucidate the fate of the chlorpyrifos in a wetland system. This is particularly 
important because, in the long term, particle-associated pesticides stored in the sediments can be 
transported via runoff and other processes where they could impact downstream surface water 
systems. Therefore, it is important to quantify the ultimate fate and transformation rate of the 
chlorpyrifos within the system before reaching conclusions on how effective a natural treatment 
system is with respect to contaminant attenuation. To investigate the factors controlling 
biodegradation of chlorpyrifos, four agricultural watersheds were selected and transformation 
rates were measured for a 24-month period in sediment deposits from agricultural drains and 
wetlands receiving agricultural return flows. To explain the observed temporal and spatial 
variation in the biotransformation rates among the study sites and to gain insight into wetland 
management for the mitigation of organophosphate pesticides, several factors such as sediment 
characteristics, redox conditions and exposure histories were investigated.  
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1.4.3 Objective 3 – Modeling the effect of different wetland management 
practices on mitigation of agricultural pollution using WARMF model 

To evaluate the effect of wetland management practices under different scenarios, a GIS 
based water quality model WARMF (Watershed Analysis Risk Management Framework) was 
used. The model has a specific interface, “The San Joaquin River Modeling Interface” designed 
for the region, and it is capable of simulating hydrology and non-point source of pollutants from 
various land uses including the non-point loads due to fertilizer and pesticide applications. 
Utilizing the model’s capabilities and the kinetic parameters obtained from Objective 1, nitrate 
removal was assessed under different land use scenarios based on the amount of land that would 
be allocated to wetlands; and using kinetic parameters obtained from Objective 2 for different 
wetland management strategies, chlorpyrifos mitigation was evaluated based on chlorpyrifos 
application trends in the region.  
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Chapter 2. Kinetics of Nitrate Removal in 
Wetlands Receiving Agricultural Drainage 
 
 
 
 
Reprinted with permission from Karpuzcu, M. E.; Stringfellow, W. T. 2012 Kinetics of nitrate 
removal in wetlands receiving agricultural drainage. Ecological Engineering 42: 295-303. 
 
Copyright 2012 Elsevier. 
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2.1 Introduction 
High flux of nitrate and other sources of nitrogen from a watershed are an indication that the 

level of functional ecosystem services in that watershed is low (Heathwaite et al. 1996, Smith 
2003, Halpern et al. 2008, Rabalais et al. 2009, Stringfellow and Jain 2010). The San Joaquin 
River in California is a highly engineered and therefore highly impaired waterbody that is the 
focus of a number of major engineered management and restoration efforts, including a new 
effort directed at the reestablishment of flows to support extinct salmon runs (Stringfellow et al. 
2008a, San Joaquin River Restoration Program 2010, Stringfellow and Jain 2010). Current 
restoration plans do not explicitly include the restoration of general ecosystem services, in part 
because engineering criteria for restoration of such services are not well developed (Stringfellow 
and Jain 2010). The San Joaquin Basin is one of the most productive agricultural regions in the 
world and agricultural runoff has been identified as an important factor contributing to the 
eutrophication of the San Joaquin River (Gowdy and Grober 2003, United States Department of 
Agriculture National Agricultural Statistics Service 2005, Stringfellow 2008). Agricultural 
runoff entering the San Joaquin River is characterized by high concentrations of nutrients, 
including nitrate as the predominant form of nitrogen (Kratzer et al. 2004, Stringfellow 2008). 
There has been a long-standing interest in improving water quality in the San Joaquin Basin and 
mitigating the impact of agricultural runoff on the San Joaquin River and the Bay-Delta Estuary 
(California Regional Water Quality Control Board Central Valley Region 2007). Wetlands 
included in this study are seasonal wetlands that were constructed for purposes other than 
pollutant treatment, including fish farming (Ramona Lake) and wildlife habitat (San Joaquin 
River National Wildlife Refuge and Miller Lake). These and other wetlands in the region 
currently receive inputs made up almost entirely of return flows from irrigated agriculture 
(Stringfellow 2008, Budd et al. 2009, Engelage et al. 2009, Diaz et al. 2010, O'Geen et al. 2010, 
Stringfellow 2010). 

Treatment wetlands have been designed, and their performances evaluated based on first-
order degradation models, including newer models such as the P-k-C* model, typically limited 
by a residual outlet concentration (Kadlec and Knight 1996, Kadlec 2000, Rousseau et al. 2004, 
Kadlec and Wallace 2008). In part, the uncertainty of the first-order approach is compensated for 
by drawing on a large body of experience using wetlands for the treatment of municipal 
wastewaters and databases are available for meta-analysis of wetland performance in the 
treatment of these wastewaters (Kadlec and Knight 1996, Mitchell and McNevin 2001, Day et al. 
2004). There are a number of potential drawbacks to this approach, including questions about the 
applicability of data collected in one wetland for use in designing subsequent wetlands (Kadlec 
2000). The applicability of first-order kinetic relationships developed in systems treating 
municipal wastewater to the sizing of treatment wetlands in agricultural watersheds is 
problematic, given large differences in hydrologic regimes, influent water quality, and the 
potential treatment goals for treatment wetlands in agricultural watersheds.   

In the case of the San Joaquin Valley, construction of wetlands to mitigate agricultural 
impacts are being considered, but large uncertainty in the land requirements are a major 
impediment to full-scale implementation. In this chapter, kinetics of nitrate removal in wetlands 
located in the San Joaquin River Valley that are receiving agricultural drainage from irrigated 
cropland was investigated. Saturation kinetics for nitrate removal in wetland sediments was 
evaluated and the measured kinetic parameters were used to estimate the amount of land area 
that would need to be devoted to wetlands in order to mitigate agricultural impacts on a 
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watershed scale. The target effluent nitrate-nitrogen concentration was chosen as 0.5 mg L-1 

which is the proposed limiting concentration for control of nuisance algae.  

2.2 Materials and Methods  

2.2.1 Study Sites 

Three field sites, Ramona Lake (coordinates 37.47558/-121.06992), the San Joaquin River 
National Wildlife Refuge (SJRNWR, 37.63138/-121.20442), and Miller Lake (37.66828/-
121.21034) were included in this study (Figure 2-1). All three field sites are located in Stanislaus 
County, CA.  Miller Lake is located on the eastside of the San Joaquin River and receives 
operational spill water from the Modesto Irrigation Districts Main Drain Canal. In 2005, Miller 
Lake was drained, dredged, and replanted to rehabilitate the lake for aesthetics and wildlife 
habitat. The dominant vegetation at Miller Lake includes tule (Schoenoplectus acutuss), water 
primrose (Ludwigia peploides), pennywort (Hydrocotyle umbellata), native willows (Salix 
exigua and Salix goodingi.), and oak (Quercus lobata). Miller Lake has a surface area of 
approximately 206,539 m2 with an average depth of 0.6 m and it has a drainage area of 56.25 
km2. Seventeen water samples of the Miller Lake inlet and outlet were collected between April 
and October 2008. 

Ramona Lake and the SJRNWR are located on the west side of the San Joaquin River and, 
like Miller Lake; they receive variable pulse in-flows of agricultural drainage during irrigation 
periods (April –October). Ramona Lake is a late succession, culturally eutrophic lake. Ramona 
Lake was originally constructed to capture irrigation drainage as part of a fish farming operation 
in the 1960s. Since then, it has become silted and is now predominantly a marsh ecosystem. It is 
occasionally utilized as a reservoir for the reuse of irrigation drainage by local growers. The 
dominant vegetation at Ramona Lake consists of tule (Schoenoplectus acutus) and cattail (Typha 
latifolia). Ramona Lake receives drainage from 20.23 km2 of farmland and has a surface area of 
approximately 80,937 m2 with an average depth of 0.6 m. Fourteen water samples of the Ramona 
Lake inlet and outlet were collected between April and August of 2008.  

The SJRNWR study site is former farmland that is being restored to a managed riparian 
wetland by the U.S. Fish and Wildlife Service. The SJRNWR study site is a 270,010 m2, riparian 
wetland with an average depth of approximately 0.6 m. It has a drainage area of 38.45 km2. 
Dominant vegetation at the SJRNWR include native willows (Salix exigua and Salix goodingii), 
annual fireweed (Epilobium brachycarpum), and bermuda grass (Cynodon dactylon). Fourteen 
water samples of the SJRNWR inlet and outlet were collected between April and October of 
2008.   
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Figure 2-1. Map of the wetland study sites. All the wetlands are located in Stanislaus County, 
California adjacent to San Joaquin River and receive drainage from irrigated cropland. 
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2.2.2 Field Sampling 

All sample collection, data evaluation, and analysis in this study were completed in 
accordance with rigorous QA/QC procedures (Borglin et al., 2006; California Department of 
Fish and Game, 2007; Puckett, 2002; Stringfellow, 2005; SWAMP, 2008). Flow rates were 
measured at weir structures installed at the inlet and outlets of the wetlands. The stage height and 
the width of the weir were used to compute flow using a calibrated stage-flow relationship. 
Pressure measuring devices including Design Analysis H355 Smartgas bubbler systems (Design 
Analysis Associates Inc., Logan, UT) or HOBO water level loggers (Onset, Bourne, MA) were 
used to measure stage. Data were collected and recorded every fifteen minutes at all flow 
stations. The fifteen minute flow data were averaged by day to calculate the daily average flow. 

Water samples were collected at the inlet and outlet of the wetlands on the same day at 
approximately two week intervals during the study period. Field sampling consisted of collecting 
depth-integrated water samples and recording field conditions at sites within the study area using 
an YSI 6600 sonde (Yellow Springs Instruments, Ohio). Sondes were calibrated before sampling 
and calibration was confirmed within twenty-four hours after the sampling event. Water samples 
were collected in glass 1000 mL bottles (Wheaton Science Products, Millville, NJ), 1000 mL 
HDPE Trace-Clean narrow mouth plastic bottles (VWR International), 250 mL HDPE Trace-
Clean wide mouth plastic bottles (VWR International), 16x100 mm pretreated chlorine free glass 
tubes (VWR International), and 40 mL trace clean vials with PTFE septa (IChem, Rockwood, 
Tennessee) in accordance with requirements for different lab analysis and volume requirements. 
All bottles were rinsed with sample water prior to collection of a depth-integrated sample. 
Samples were immediately stored at 4°C after sampling and transported to the lab on the day of 
sampling. 

2.2.3 Water Quality Measurements 

Samples were received by the laboratory the same day they were sampled, logged in and 
inspected for damage, and stored at 4°C until filtering and analysis. All filtration and 
preservation of samples were completed within 24 hours. Samples were collected, preserved, 
stored, and analyzed by methods outlined in Standard Methods for the Analysis of Water and 
Wastewater (APHA, 1998; APHA, 2005), unless otherwise indicated. Total organic carbon 
(TOC) and dissolved organic carbon (DOC) were analyzed on a Teledyne-Tekmar Apollo 9000 
(Mason, OH) by high temperature combustion according to SM 5310 B. Nitrate-nitrogen 
(nitrate-N) was quantified using the TL- 2800 ammonia analyzer made by Timberline 
Instruments (Boulder, CO) (Carlson et al. 1990). Soluble reactive phosphate-phosphorus (PO4-
P) was quantified in filtered samples by the ascorbic acid method adapted from SM 4500-P-E.  

2.2.4 Design and Operation of the Wetland Microcosm 

The wetland microcosm system consisted of a completely mixed flow-through reactor with 
built-in overflow compartments. The reactor volume was 227 liters (86 x 43 x 61 cm, L x W x 
H). Overflow entered a sump and was recirculated using a submersible pump (Rio HyperFlow 
8HF, TAAM, Inc, Camarillo, CA). The reactor was filled with sediments taken from the Ramona 
Lake to an average depth of 25 cm. The reactor was planted with mature tule and bulrush. 
Vegetation placed in the reactor was collected from both Ramona and Miller Lakes. Average 
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water depth was maintained at 30.5 cm, with a total surface area of 0.746 m2. The microcosm 
was exposed to 12 h/d of indoor plant lighting, consisting of 12 fluorescent lights rigged 
approximately 60 cm above the reactor, as well as light from the surrounding room. Average 
light flux (± SD, n = 4) taken at 0.03 m under the water surface using a LI-250A light meter with 
a LI-192SA Underwater Quantum Sensor (LI-COR, Inc., Lincoln, NE) was 0.028 ± 0.025 M-1 s-

1. Influent media was continually added, and effluent was continually removed from the system, 
thereby maintaining a constant reactor volume. Effluent was pumped out into a 50 L carboy 
using a peristaltic pump (Masterflex L/S Model 77200-60, Cole-Parmer Instrument Company, 
Vernon Hills, IL). Influent media was formulated based on average water quality conditions in 
Orestimba Creek, an important agricultural drain on the western San Joaquin River (Stringfellow 
2008b). Influent media consisted of phosphate buffer, potassium nitrate, Instant Ocean brand sea 
salts (Spectrum Brands, Atlanta, GA), and deionized water. Influent was prepared in a 200 L 
plastic carboy for long term storage, and then pumped into a smaller 50 L carboy that fed the 
reactors. Influent and effluent carboys were placed on scales and weights were recorded at 
regular intervals for influent and effluent flow calculations.  

2.2.5 Kinetics and Removal Calculations 

2.2.5.1 Calculation of areal removal rates and modified first-order areal constants 

Nitrate loading rates were calculated according to Eq. (2-1) and Eq. (2-2), where Cin is the 
inlet nitrate concentration (mg L-1), Cout is the outlet nitrate concentration (mg L-1), Qin is the 
inlet flow rate (L d-1), Qout is the outlet flow rate (L d-1) and A is the surface area (m2) of the 
wetland. 

 

A
QCL inin

in
×

=  (2-1) 
 

   

A
QCL outout

out
×

=   (2-2) 

 
Nitrate mass removal efficiency (η, %) was calculated according to Eq. (2-3), where Lin and 

Lout are the inlet and outlet nitrate loading rates (mg m-2 d-1) respectively. 
     

         100
L

LLη
in

outin
×

−
=    (2-3) 

 
Nitrate areal mass removal rates (J) were calculated according to the Eq. (2-4). To avoid the 

effects of synoptic error, a transport delay artifact in wetlands (Kadlec and Wallace 2008), 
average values of inlet and outlet flows and concentrations were used to calculate a single 
removal rate for each site.   

 
  outin LLJ −=   (2-4) 
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The hydraulic residence time (HRT) in days (d) was calculated according to Eq. (2-5), 
where V is the total volume of the system (L) and Q is the inlet flow rate (L d-1).   

 

Q
VHRT =                                                                         (2-5) 

 
The modified first-order areal removal rate constants, k (cm d-1), were determined using 

the P-k-C* model (Eq. (2-6)) (Kadlec and Wallace 2008), where Cout (mg L-1) is the mean outlet 
nitrate concentration,  Cin (mg L-1) is the mean inlet nitrate concentration, C* is the background 
nitrate concentration, P is the apparent number of tanks in series, q is the hydraulic loading (cm 
d-1) and k is the modified first-order areal removal rate constant (cm d-1). P number is a free-
fitting parameter with the condition P < N, where N is the tracer tank in series (TIS) number. 

 

   Cout- C*

Cin- C* =
1

(1+k/Pq)P                             (2-6)                                   

 
    In the absence of a tracer test, the actual number of N is not known, and it is reasonable to 

assume that P = N = 4, which is the mean N-value proposed for free-water surface wetlands 
(Kadlec and Wallace 2008). Modified first-order areal removal rate constants (k) were calculated 
assuming balanced atmospheric conditions.  Prior studies have shown that evapotranspiration 
losses are typically a small fraction of flows and our results are comparable to other kinetic 
studies that also used this assumption for the calculation of areal rate constants (Bachand and 
Horne 2000a, b, Fleming-Singer and Horne 2006, Beutel et al. 2009). 

For comparison with prior studies, the value of k (cm d-1) was also determined for each field 
site using the basic k-C* model (Eq. 2-7) assuming C* = 0. Average values of C were used to 
calculate a single k value for each site.  

 

 ( )*CCkJ −=  (2-7) 

2.2.5.2 Substrate Saturation Kinetics 

Microcosm nitrate removal data were fitted to a Monod or Michaelis-Menten type curve 
(Eq. (2-8) and Fig. 2-2), where J (mg m-2 d-1) is the nitrate mass removal rate (Eq. (2-4)), Jmax is 
the maximum nitrate mass removal rate, Cout (mg L-1) is the outlet nitrate concentration and Km 
(mg L-1) is the half saturation constant. 

 

outm

out
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CK
CJJ
+

×=
 

(2-8) 

 

2.2.5.3 Wetland Sizing 

The wetland area required to mitigate agricultural drainage was calculated solving the P-k-
C* model equation (Eq. (2-6)) for the area, A: 
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A = 
��

Cin
Cout

�
1

P� -1�×P×Q

k                                        (2-9) 
  

In this equation C*, background nitrate-nitrogen concentration, was assumed to be zero. For 
Cin, average inlet nitrate concentrations were used and Cout was set to be the target nitrate 
concentration of 0.5 mg L-1. 

2.3 Results and Discussion 

2.3.1 Nitrate Removal 

Hydraulic loading and water quality characterization of the study sites are presented in Table 
2-1 and Table 2-2. During the course of this study, average daily drainage flow rates were 12 to 
32 m3 d-1 at Ramona Lake, 22 to 64 m3 d-1 at SJRNWR and 8 to 155 m3 d-1 at Miller Lake, with a 
corresponding coefficient of variation (CV) of 30%, 29%, and 55%, respectively.  Inlet nitrate 
concentrations exhibited similar CV; 37%, 40% and 35% for Ramona, SJRNWR, and Miller 
Lake respectively.  Inlet nitrate concentration was not correlated with average daily flow for any 
site.  The lack of relationship between flow and nitrate concentration is in contrast to results from 
studies conducted in drainages dominated by natural precipitation, where flow and water quality 
are frequently correlated, however, these results are consistent with prior studies conducted in 
drainages dominated by irrigation return flows (Dubrovsky et al. 1998, Kratzer et al. 2004, 
Stringfellow 2008, Stringfellow et al. 2008b, Engelage et al. 2009). In irrigated systems, water 
quality is more likely influenced by factors such as fertilizer applications and field-residence 
time, rather than gross flow rates.   
All of the wetland sites investigated demonstrated removal of nitrate-nitrogen to some extent. 
Nitrate-nitrogen mass removal efficiencies were 35, 28, and 23 percent for Ramona Lake, 
SJRNWR, and Miller Lake respectively. Based on results from prior studies, it is most likely that 
the predominant removal mechanism in these wetlands was denitrification (Xue et al. 1999, 
Bachand and Horne 2000a, Hume et al. 2002, Venterink et al. 2003, Beutel et al. 2009, Engelage 
et al. 2009). Furthermore, based on inlet nitrate loads, all of the wetland sites were well above 
the agronomic nitrogen loading of 120 g m-2 yr -1, at which the system shifts from nitrogen 
uptake by plants to microbial denitrification (Kadlec and Wallace 2008). The inlet nitrate loads 
were 300 g m-2 yr-1, 450 g m-2 yr-1, and 230 g m-2 yr-1 for Ramona Lake, SJRNWR, and Miller 
Lake respectively.  All of the sites had measurable concentrations of dissolved organic carbon in 
their effluents (Table 2-1), suggesting sufficient system productivity to support active, 
denitrifying microbial populations.  
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Table 2-1.  Summary of means ± standard deviations (SD) of selected water quality parameters for field sites and laboratory 
microcosm. 

 Ramona Lake SJRNWR Miller Lake Microcosm 
Inlet  Outlet 

Mean ±SD 
Inlet      Outlet Inlet   Outlet 

Mean ±SD 
      Influent   Effluent 

Mean ± SD n Mean ±SD n Mean ± SD  Mean ±SD n Mean ± SD  n Mean ± SD 

Temperature  (°C) 16 21.8 ± 3.6 21.3 ± 3.0 16 20.0 ± 3.1 22.1 ± 3.8 17 21.8 ± 3.0 21.8 ± 3.4 132 22.0 ± 1.0 21.0 ± 1.5 

 
pH 

 
16   7.9 ± 0.3   8.2 ± 0.3 16    8.1 ± 0.3    7.9 ± 0.5  17   7.7 ± 0.3     7.7 ± 0.4 132   6.2 ± 0.4     8.1 ± 0.3 

Specific 
Conductance 

(µS cm-1) 
 

16 1500 ± 300 1500 ± 200 16 1100 ± 200 1200 ± 190 17 300 ± 60 300 ± 40 132 820 ± 863 749 ± 428 

Dissolved Oxygen 
(mg L-1) 

 
16 9.8 ± 3.4 12 ± 3.9 16 8.6 ± 1.5 8.6 ± 3.0 17 6.6 ± 3.3 6.7 ± 3.0 132 NAa 5.8 ± 0.8 

Dissolved Organic 
Carbon (mg L-1) 

 
16 6.9 ± 1.1 7.2 ± 1.0 17 4.0 ± 0.5 4.7 ± 1.4 17 5.0 ± 2.0 5.2 ± 0.6 146 0.3 ± 0.3 4.0 ± 0.6 

Total Organic 
Carbon 
(mg L-1) 

 

16 9.0 ± 2.6 11.2 ± 2.1 16 7.6 ± 3.0 5.9 ± 1.9 17 6.5 ± 2.0 6.2 ± 1.2 146 0.4 ± 0.4 6.9 ± 3.8 

UV Absorbance 
(cm-1) 

 
16 0.18 ± 0.03 0.18 ± 0.03 16 0.08 ± 0.03 0.12 ± 0.05 17 0.13 ± 0.05 0.14 ± 0.04 145 0.02 ± 0.02 0.15 ± 0.02 

Nitrate-Nitrogen 
(mg L-1) 

 
14 3.5 ± 1.3 2.1 ± 1.0 17 7.1 ± 3.0 5.1 ± 3.0 17 4.0 ± 2.0 3.0 ± 1.1 146 57.0  ± 87.4 17.1 ± 39.1 

Soluble Reactive 
Phosphate- 
Phosphorus  

(mg L-1) 

16 0.3 ± 0.2 0.1 ± 0.1 17 0.3 ± 0.1 0.1 ± 0.1 17 0.2 ± 0.2 0.2 ± 0.1 146 0.23 ± 0.12 0.14 ± 0.09 
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Table 2-2.  List of parameters used for the calculation of aerial removal rate constants (averages ± standard deviations). 

 Ramona Lake SJRNWR Miller Lake Microcosm 

Hydraulic residence time, HRT (d) 3.1 ± 0.6 5.1 ± 0.5 14.7 ± 6.9 29.8 ± 0.5 

Hydraulic loading, q (cm/day) 24.5 ± 1.4 23.0 ± 1.7 28.2 ± 3.6 1.13 ± 0.04 

Inlet nitrate conc., Cin (mg/l) 3.39 ± 0.34 7.06 ± 0.68 4.23 ± 0.43 8.86 ± 0.85 

Outlet nitrate conc., Cout (mg/l) 2.14 ± 0.25 5.07 ± 0.68 2.52 ± 0.25 0.56 ± 0.07 
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2.3.2 Areal Removal Rates 

 Areal removal rates for nitrate-nitrogen were calculated from flow and water quality 
measurements (Eq. (2-4)). Areal nitrate removal rates (J) were 290, 350, and 142 mg-N m-2d-1 
for Ramona Lake, SJRNWR, and Miller Lake, respectively.  These removal rates are similar to 
rates measured by Fleming-Singer and Horne (2002) in a managed wetland receiving in-flow 
from a suburban watershed, where the maximum rates reported were 500 mg m-2d-1(Fleming-
Singer and Horne 2002). Beutel et al. (2009) conducted a study on a constructed wetland 
treatment system specifically designed to treat irrigation return-flows in the Yakima Basin, 
Washington and  reported areal nitrate removal rates ranged from 100 to 200 mg-N m-2 d-1 
(Beutel et al. 2009).  In another wetland, which was supplied by high-nitrate, low-carbon inlet 
flows from the Santa Anna River, nitrate removal rates were higher, with a mean removal rate of 
nitrate-nitrogen of 2800 mg m-2d-1 (Bachand and Horne 2000a). Bachand and Horne (2000a) 
compiled a review of observed nitrate removal rates from a number of studies and the rates 
observed in this study appear to be approximately median values relative to these other studies. 

2.3.3 First-Order Areal Removal Rate Constants 

The P-k-C* model was used to calculate k, the modified first-order areal removal rate 
constant (Table 2-3). Values of k calculated by the basic k-C* model were also included for 
comparison with published values (Table 2-3).  In previous studies, estimations of k have been 
made in microcosm systems and full-scale wetlands and representative values from those 
systems have been included for comparison in Table 2-3 (Kadlec and Knight 1996, Bachand and 
Horne 2000b, Lu et al. 2009). In other studies k values have been calculated using the plug-flow 
model and are not directly comparable (Fleming-Singer and Horne 2006, Gebremariam and 
Beutel 2008, Beutel et al. 2009). In general, the k values observed in the San Joaquin Valley 
wetlands and the microcosm were greater than those observed in systems receiving municipal 
wastewater (Kadlec and Knight 1996). Our results were consistent with other studies, in that 
wetlands treating low BOD, high nitrate drainage water tend to have higher observed removal 
rates (J) than wetlands treating high BOD low nitrate municipal wastewater (Fleming-Singer and 
Horne 2006, Beutel et al. 2009, Lu et al. 2009). Higher apparent nitrate-nitrogen removal 
kinetics in systems with low BOD influents may be due, at least in part, to ammonification and 
nitrification altering net nitrate-nitrogen changes across wetlands. 
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Table 2-3.  List of first order areal nitrate-nitrogen removal rate constants (k) for full-scale 
wetlands and wetland microcosms. 

System Effluent  
concentration 

range  
(mg/l) 

k 
k-C* 

modela 
(cm/d) 

k(P=4) 
P-k-C*  
modelb 
(cm/d) 

Reference 

Field Site - Ramona Lake  0-4 12.67 12.07 This study 

Field Site - San Joaquin River National 
Wildlife Refuge 

 0-10 9.05 7.96 This study 

Field Site – Miller Lake 0-4 5.12 4.00 This study 

Microcosm (Cout < 4 mg/l) 0-4 12.97  This study 

Microcosm (Monod calculationc for Cout 
<< Km) 

 9.39  This study 

Macrocosms, Prado Basin, CA  6.57d  Bachand and Horne 
(2000b) 

Surface-flow constructed marsh, 
Kunming, China 

 8.82d  Lu et al. (2009) 

Surface-flow marshes, Des Plaines, IL e  7.75  Kadlec and Knight 
(1996) 

Surface-flow constructed marsh, 
Lakeland, FL e  

 6.52  Kadlec and Knight 
(1996) 

Surface-flow natural marsh, Sea Pines, 
SC e 

 7.06  Kadlec and Knight 
(1996) 

aEq. (2-7)  

bEq. (2-6) 

cEq. (2-8) 

dCalculated from data in reference 

eMunicipal wastewater 
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2.3.4 Use of Saturation Kinetics and Microcosm Studies to Support Kinetic 
Relationships Measured in the Field 

To determine if laboratory studies could confirm mean areal kinetic rates developed using 
field data, nitrate-nitrogen removal kinetics was compared in our best characterized system 
(Ramona Lake) to kinetic measurements made in laboratory microcosm using sediments from 
that system.   A flow-through wetland microcosm was assembled using sediments from Ramona 
Lake, as described in the methods.  Nitrate-nitrogen mass loading rates to the microcosm (1.2 – 
8,590 mg m-2 d-1) bracketed the loading rates observed at Ramona Lake (280 – 2,010 mg m-2 d-1), 
SJRNWR (43 – 3,030 mg m-2 d-1), and Miller Lake (20 – 1,370 mg m-2 d-1).  Due to physical 
constraints, the hydrologic regime of Ramona Lake could not be imitated in the laboratory for 
the entire course of the study and the mean hydraulic residence time (HRT) was higher in the 
microcosm than at the field sites (Table 2-2, Fig. 2-2).  Loading rates to the microcosm were 
increased to reveal the saturation curve and to determine the load at which removal efficiency 
declined (Fig. 2-3 and Fig. 2-4).  Removal efficiency was higher in the microcosm (> 90%) 
compared to the field sites (< 40%, see above) at similar loading rates. This could be attributed in 
part to the longer HRT of the microcosm (Table 2-2, Figure 2-2).  There was good agreement 
between observed removal efficiencies at Ramona Lake and the microcosm at similar HRTs 
(Figure 2-2).  

The relationship between J and Cout was used to determine the maximum areal removal rate 
(Jmax) and the apparent half-saturation constants (Km) for nitrate-nitrogen in the microcosm (Fig. 
2-4). Saturation kinetics is fundamental to biological systems and a better understanding of 
saturation kinetics is needed for improved wetland treatment system design (Kadlec 2000, 
Mitchell and McNevin 2001). The apparent Km and Jmax were 43.8 mg L-1 and 4.11 g m-2 d-1 for 
these sediments.  Saturation kinetic constants (Jmax and Km) cannot typically be calculated using 
data from full-scale treatment systems, which typically operate under substrate limited (first-
order) conditions (Kadlec 2000, Mitchell and McNevin 2001). Microcosm studies can provide 
useful insight into wetland design by allowing manipulation of loading rates such that the system 
reaches its maximum mass-removal capacity and reveals the saturation curve. Using the 
measured Km and Jmax values, the first-order constant k was calculated as 9.39 cm d-1, when Cout 
<< Km. This value is in reasonable agreement with the modified first-order removal rate k-value 
of 12.07 cm d-1 calculated from the field data (Table 2-3).   

The first-order rate constant k for the microcosm was also calculated using data 
corresponding to effluent concentrations less than 4.0 mg L-1.  Observed nitrate-nitrogen 
concentrations in the outflow of the field sites were less than 4.0 mg L-1, allowing a direct 
comparison between the microcosm and Ramona Lake.  The first-order k-value for the 
microcosm (12.97 cm d-1) was practically identical to the k-value from Ramona Lake (Fig. 2-5, 
Table 2-3).  These results suggest that laboratory microcosm studies can be useful as a 
supplementary tool for field studies to confirm nitrate removal kinetics developed from field 
data. 
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Figure 2-2. Nitrate-N mass removal efficiency as a function of hydraulic residence time (HRT) 
in the microcosm and Ramona Lake. The microcosms and the field site demonstrated similar 
removal efficiencies at similar HRT.  
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Figure 2-3. Relationship between mass-loading rates and mass-removal rates for nitrate-nitrogen 
in the microcosm. 
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Figure 2-4. Nitrate-nitrogen removal as a function of effluent nitrate-nitrogen concentration in 
the microcosm. Data can be described by saturation (Monod-type) kinetics and estimates for 
half-saturation (Km) and maximum removal rates (Jmax) can be calculated by Eq. (2-8). 
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Figure 2-5. Kinetic analysis of laboratory microcosm and Ramona Lake as a function of effluent 
nitrate-N concentration for Cout<< Km. Results from microcosm containing sediments from 
Ramona Lake were in close agreement with field results. 
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2.3.5 Integration of Treatment Wetlands into Agricultural Watersheds  

Based on the results of this study, we can begin to envision possible scenarios for the 
implementation of treatment wetlands in the San Joaquin River Basin.  The result of the 
combined wetland and microcosm studies (Table 2-3) suggest that 10 cm d-1 is a reasonable 
estimate of k for wetland soils in the study area.  During this study in 2008, flows at Ramona 
Lake averaged 20,300 m3 d-1 entering a marsh of approximately 81,000 m3 and had an average 
measured inlet nitrate-nitrogen of 3.4 mg L-1. There are currently no regulatory limits for nitrate 
in agricultural drainage. Previous studies suggested that 0.5 mg L-1 can be used as the critical 
concentration above which nuisance algae problem can occur (Biggs 2000). Based on this 
criterion, the wetland areas required for achieving target nitrate effluent concentrations of 0.5 mg 
L-1 was calculated using Eq. (2-9). The relationship between effluent nitrate-nitrogen 
concentration and wetland size for the Ramona watershed is shown in Figure 2-6. To reach an 
effluent nitrate concentration of 0.5 mg L-1, the Ramona watershed would need an area of 51 ha 
(for a wetland with P = 4), which is equivalent to increasing the current marsh size 
approximately 6 times.  The marsh size would need to be increased 15 times to reach the same 
effluent quality with a single pond (P = 1) system. Growers are reluctant to relinquish land from 
crop production, so accommodation between riparian wetland expansion and economic vitality 
must be reached. Ramona Lake receives drainage from over 2,000 hectares of farmland and an 
expanded pond-in-series treatment wetland would represent approximately 2.5 % of that area.  
Additionally, these wetlands do not necessarily need to be located on productive farmland, since 
there are lower-value riparian areas within the levees defining the San Joaquin floodplain that are 
down-gradient of the agricultural lands (Stringfellow et al. 2009). Diversion of irrigation 
drainage through constructed wetlands before discharge to the San Joaquin River is being further 
evaluated as a water quality management option by irrigation and drainage districts in the San 
Joaquin Valley. 
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Figure 2-6. Wetland size needed to reach specific target nitrate-nitrogen concentrations for the 
Ramona watershed based on the P-k-C* model (Eq. 2-9) using a first order areal removal rate (k) 
of 10 cm d-1 and given conditions shown in Table 2. The dashed vertical line marks an effluent 
nitrate-nitrogen concentration of 0.5 mg L-1, a target value for limiting the growth of nuisance 
algae. 
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2.4 Conclusions 
In this chapter, nitrate removal in wetlands receiving runoff from irrigated agriculture was 

examined. The results suggest that wetlands constructed for purposes of wildlife habitat can 
remove nitrate from irrigation return flows, but efficiencies are typically low. Nitrate mass 
removal efficiencies ranged from 23% to 35% in wetlands examined in this study. Nitrate 
removal kinetics was determined using data from these systems. Modified areal first-order 
removal rate constants (k) determined for field sites varied between 4.00 and 12.07 cm d-1.   

Microcosm studies were used to further evaluate nitrate removal kinetics in wetland 
sediments and saturation kinetics was measured to establish fundamental kinetic relationships for 
nitrate removal. The first order k-value for the microcosm (12.97 cm d-1) was practically 
identical to the observed k-value from Ramona Lake, the source of the sediments used in the 
microcosm, suggesting the value of microcosms for estimating nitrate removal rates in wetlands. 
Measurement of saturation kinetics in the microcosm system showed that the apparent half-
saturation constant (Km) and maximum removal rate (Jmax) were 43.8 mg L-1 and 4.11 g m-2 d-1 
respectively, for these sediments. Supplementing field studies with a microcosm study was an 
effective approach for confirming and complementing kinetic parameters derived from field data.  

Estimations of nitrate removal kinetics from field and laboratory studies were in close 
agreement allowing the calculation of land area requirements for treatment wetlands in 
agricultural watersheds. Estimates of land requirements for wetlands in one agricultural 
watershed suggest that less than 3 % of the watershed area would need to be devoted to wetlands 
to achieve a target effluent nitrate concentration of 0.5 mg L-1.  
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Chapter 3. Biotransformation of Chlorpyrifos in 
Riparian Wetlands in Agricultural Watersheds: 
Implications for Wetland Management 
 

 
 
 
Reprinted with permission from Karpuzcu, M. E., Sedlak, D. L, Stringfellow, W. T. 2012. 
Biotransformation of chlorpyrifos in riparian wetlands in agricultural watersheds: Implications 
for wetland management. Journal of Hazardous Materials (in press). 
 
Copyright 2012 Elsevier. 
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3.1 Introduction 
Chlorpyrifos is the most widely used insecticide in the study region. While there have been 

several studies evaluating the effectiveness of different BMPs on chlorpyrifos mitigation, these 
studies have mostly focused on sorption of chlorpyrifos to wetland sediments and soils with 
removal efficiency assessed by measuring inlet and outlet concentrations in water samples. 
However, it is also important to know the fate of the chlorpyrifos within the wetland system. In 
the long term, particle-associated insecticides stored in sediments can be transported via runoff 
and other processes where they could impact downstream surface water systems. Therefore, it is 
important to quantify the ultimate fate and transformation rate of chlorpyrifos within the system 
before reaching conclusions on how effective a natural treatment system is with respect to 
contaminant attenuation. Although transformation of chlorpyrifos in field soils has been 
extensively studied (Racke et al. 1988, Racke et al. 1990, Racke et al. 1994, Baskaran et al. 
2003, Singh et al. 2003, Sardar and Kole 2005, Singh et al. 2005), data on chlorpyrifos 
transformation in wetland sediments is scarce.  There has been only one study investigating 
chlorpyrifos degradation in sediments from a constructed wetland (Budd et al. 2011), while a 
couple of studies have been done with sediments from urban streams and nursery recycling 
ponds (Bondarenko and Gan 2004, Lu et al. 2006). 

The main purpose of this study was to investigate factors controlling biodegradation of the 
organophosphate insecticide chlorpyrifos in sediment deposits from agricultural drains and 
wetlands receiving agricultural return flows. In addition, phosphoesterase enzyme activities were 
measured to assess the potential for predicting transformation rates. With this information, it 
should be possible to better manage treatment wetlands for enhanced organophosphate 
insecticide removal.  

3.2 Materials and Methods 

3.2.1 Field Sites 

Four field sites, Hospital Creek (coordinates 37.61056/-121.22861), Ingram Creek 
(37.60028/-121.22417), Ramona Lake (37.47558/-121.06992) and the San Joaquin River 
National Wildlife Refuge (SJRNWR, 37.63138/-121.20442) were selected for inclusion in this 
study (Fig. 3-1). The sites were chosen based on their diverse levels of riparian function and the 
availability of pesticide monitoring data. All sites are located in Stanislaus County, CA on the 
west side of the San Joaquin River within a predominately agricultural watershed. The Hospital 
Creek and Ingram Creek sites represent typical agricultural drains in the study region and have 
drainage areas of 9.5 km2 and 29 km2 respectively (Stringfellow 2010). Ramona Lake is a 
permanent wetland originally constructed to retain irrigation drainage as part of a catfish-farming 
operation in the mid-1960s. It has become silted and is now predominantly a marsh ecosystem. It 
is occasionally utilized for storage of irrigation drainage by local growers. Ramona Lake receives 
drainage from 20.23 km2 of farmland and has a surface area of approximately 81,000 m2 with an 
average depth of 0.6 m. Dominant vegetation at Ramona Lake consists of tule (Schoenoplectus 
acutus) and cattail (Typha latifolia) (Karpuzcu and Stringfellow 2012). The SJRNWR study site 
is a 270,010 m2, riparian wetland with an average depth of approximately 0.6 m and a drainage 
area of 38.45 km2. Dominant vegetation at the SJRNWR include native willows (Salix exigua 
and Salix goodingii), annual fireweed (Epilobium brachycarpum), and bermuda grass (Cynodon 
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dactylon) (Karpuzcu and Stringfellow 2012). It is former farmland that is being restored to a 
managed riparian wetland by the U.S. Fish and Wildlife Service (USFWS).  

 
Figure 3-1. Location of the study sites in Stanislaus County, CA.  
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3.2.2 Sample Collection 

Monthly samples were collected from field sites. Approximately 500 g of wet surface 
sediments were collected from each field site using a stainless steel shovel and wide mouth 
Mason jars. The shovel was washed with detergent (Alconox Inc.) and rinsed at least three times 
thoroughly with deionized water before each use.  Sampling equipment was also rinsed in 
wetland water prior to taking any samples. Samples were immediately placed in a cooler with ice 
and transported to the laboratory on the same day. Upon arrival in the lab, samples were 
homogenized using an aluminum spoon and split in two halves. One part was kept at 4oC until 
analysis and the other part was frozen at -20oC. An aliquot of the refrigerated sample was air 
dried and stored at room temperature for the enzyme assays. Subsamples were sent to ANR 
Analytical Laboratory at UC Davis (Davis, CA) for analysis of the soil physico-chemical 
properties (Table 3-1).  

3.2.3 Flow measurements 

Flow rates were measured at weir structures installed upstream of the sampling sites. Stage 
height and weir width were used to compute flow using a calibrated stage-flow relationship. 
Pressure measuring devices, including Design Analysis H355 Smartgas bubbler systems (Design 
Analysis Associates Inc., Logan, UT) or HOBO water level loggers (Onset, Bourne, MA) were 
used to measure stage. Data were collected and recorded every fifteen minutes at all flow 
stations. Fifteen minute flow data were averaged by day to calculate the daily average flow. 
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Table 3-1. Physicochemical properties of field sediments. 

 Hospital Creek 
at River Road 

San Joaquin River 
National Wildlife 

Refuge (SJRNWR) 

Ingram Creek at 
River Road Ramona Lake 

pH 7.2 7.5 7.5 7.3 

TKN % 0.061 0.064 0.044 0.105 

Olsen P- ppm 18.5 17.8 17.5 27.8 

P (total) % 0.043 0.027 0.032 0.033 

SO4-S ppm 33.3 98.6 26.5 110.0 

OM % 0.69 0.85 0.58 1.55 

C-org % 0.40 0.49 0.34 0.90 

Sand % 55 81 66 38 

Silt % 29 9 19 38 

Clay % 16 10 15 24 
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3.2.4 Reagents 

Dursban R formulation of solid flaked chlorpyrifos (purity 99.8%) was donated by Dow 
AgroSciences (Indianapolis, IN), and used to prepare a 1g/L chlorpyrifos stock in hexane, with 
subsequent solutions made from the stock. A 100 µg/mL chlorpyrifos solution certified reference 
material (Ultra Scientific, North Kingstown, RI) in methanol was used for method calibration 
and quality control samples. Hexane used for extraction was of pesticide grade (Fisher Scientific, 
Pittsburgh, PA). Substrates for the enzyme assays, p-nitrophenyl phosphate, bis-p-nitrophenyl 
phosphate, tris-p-nitrophenyl phosphate and the p-nitrophenol standard were all purchased from 
Sigma-Aldrich Co. Analytical grade 3,5,6-trichloro-2-pyridinol (TCP) (Sigma-Aldrich Co.) was 
used for method calibration and quality control samples. 

3.2.5 Experimental Design 

3.2.5.1 Biodegradation experiments 

During 2010, eight sets of biodegradation experiments were carried out, followed by five 
sets of experiments in 2011. Experiments were always initiated within 24h of the field sampling. 
Prior to the experiments, baffled 500-mL Erlenmeyer flasks were baked at 400oC for 2 hours and 
rinsed with acetone to eliminate organic residues. Sediments were then placed in these flasks and 
spiked with chlorpyrifos. Assuming all chlorpyrifos partitioned to the sediment, the initial 
chlorpyrifos concentration was 90 µg/g, which encompasses the concentrations detected during 
peak storm events (Schulz et al. 2001, Dabrowski et al. 2002). The effect of initial chlorpyrifos 
concentration on degradation kinetics was tested by setting up an experiment with different 
starting concentrations of 100µg/g, 20µg/g, 10µg/g and 2µg/g, and no significant difference in 
degradation kinetics was observed. This is in agreement with Murray et al. 2001, where not 
much difference in chlorpyrifos degradation between initial chlorpyrifos concentrations of 10 
µg/g and 100 µg/g was observed.  
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Fig. 3-5. The effect of initial chlorpyrifos (CPF) concentration on degradation kinetics for 
Hospital Creek sediments (♦ = 300µg/g initial concentration, ● = 100µg/g initial concentration, 
▲= 50µg/g initial concentration, ■ = 10µg/g initial concentration). 
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Fig. 3-6. The effect of initial chlorpyrifos (CPF) concentration on degradation kinetics for 
Ramona Lake sediments (♦ = 300µg/g initial concentration, ● = 100µg/g initial concentration, 
▲= 50µg/g initial concentration, ■ = 10µg/g initial concentration). 
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Fig. 3-7. The effect of initial chlorpyrifos (CPF) concentration on degradation kinetics for 
SJRNWR sediments (♦ = 300µg/g initial concentration, ● = 100µg/g initial concentration, ▲= 
50µg/g initial concentration, ■ = 10µg/g initial concentration). 
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They observed, however, a significant difference between 100 µg/g and 1000 µg/g initial 
concentrations (Murray et al. 2001). Killed controls and a separate control without sediments 
were set up in parallel to distinguish between biotic and abiotic degradation and to account for 
any losses from mechanisms other than degradation. Degradation rates obtained from killed 
control flasks were subtracted from degradation rates observed in live flasks to correct for abiotic 
degradation rates.  The control without sediments was used to obtain the abiotic hydrolysis rate 
under experimental conditions. Anaerobic degradation experiments were set up in an anaerobic 
chamber (Coy Laboratory Products Inc.). The anaerobic chamber was operated with 10% 
hydrogen (H2) gas mix reacting with a palladium catalyst to remove excess oxygen. Inside 
chamber conditions were monitored with indicator test strips saturated with resazurin solution 
(Sigma-Aldrich Co.), which change color from white to pink above a redox potential of about -
110 mV. Bottles were sealed and placed in a shaker and incubated at 30oC and 200 rpm in the 
dark. Triplicate 10 mL aliquots of slurry from the flasks were taken at days 0, 1, 7, 14, 21 and 35 
and transferred to 16x125 mm glass culture tubes for extraction. Details of the experimental 
design are described below: 

3.2.5.1.1 Aerobic live flasks:  

In baffled 500-mL Erlenmeyer flasks, the following components were added: 1 g of field 
sediment (dry weight equivalent), 90 ml of a 1 mg/L aqueous chlorpyrifos solution, 10 ml of 5X 
M9 minimal salts media (Sigma-Aldrich Co.), 10 mL of 10X MOPS buffer pKa 7.20 (0.4 M 3-
(N morpholino) propanesulfonic acid) solution (Teknova, Inc.), and 90 mL of deionized water. 
The initial chlorpyrifos concentration was 90 µg/g assuming all chlorpyrifos partitioned to the 
sediment. The aqueous chlorpyrifos solution was prepared by adding 1 mL of 1 g/L chlorpyrifos 
stock solution in hexane to a 1 L volumetric flask and evaporating the hexane with nitrogen gas 
(N2). After all of the hexane evaporated, one liter of Milli-Q water was added.  

3.2.5.1.2 Aerobic killed control flasks:  

Killed control flasks were prepared the same way as aerobic live flasks except that after the 
addition of 1 g of field sediment (dry weight equivalent), 10 mL of 37% formaldehyde solution 
(Sigma-Aldrich) was added on top of the sediment and vigorously mixed to ensure adequate 
contact and allowed 1 h for reaction. After 1 h, the same solutions as described for the aerobic 
live flasks were added, except the amount of water added, which was reduced by 10 mL.  

3.2.5.1.3 Control flask without sediment:  

The control flasks were set up the same way as aerobic live flasks except no sediments were 
added in these flasks.   

 Aerobic flasks were covered with aluminum foil, placed in a shaker and incubated at 30oC 
and 200 rpm in the dark. Triplicate 10 mL aliquots of slurry from the flasks were taken at days 0, 
1, 7, 14 and 21 and transferred to 16 x 125 mm glass culture tubes for extraction. 

3.2.5.1.4 Anaerobic live flasks:  

In 500-mL Wheaton bottles, 0.1 ml of 1 g/L chlorpyrifos stock solution in hexane was added 
to the flasks and the hexane was evaporated. Prior to the experiments, all solutions were 
deoxygenated with N2 gas. After the addition of the sediments (1 g dry weight equivalent), 
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bottles were placed in the anaerobic chamber. Deaerated solutions were aliquoted into the bottles 
inside the chamber. Same amount of solutions described for the aerobic live flasks were added 
except the amount of deionized water, which was 180 ml. 

3.2.5.1.5 Anaerobic killed control flasks:  

Anaerobic killed control flasks were prepared the same way as anaerobic live flasks except 
that after the addition of 1 g of field sediment (dry weight equivalent), 10 mL of 37% 
formaldehyde solution (Sigma-Aldrich) was added on top of the sediment inside the anaerobic 
chamber and vigorously mixed to ensure adequate contact and allowed 1 h for reaction. After 1 
h, same amount of purged solutions as described for the anaerobic live flasks were added, except 
the amount of water added which was 170 mL. The final volume was 200 mL.  

3.2.5.2 Extraction and Analysis 

Chlorpyrifos was preconcentrated by liquid-liquid extraction. Two mL hexane was added to 
the 10 mL sample aliquots and extracted with hexane on a rotating shaker (ThermoScientific 
Inc.) for 2 hours. Extraction efficiencies ranged between 75% and 80% for each experiment. At 
the end of the extraction period, approximately 1 mL of solvent was drawn from each sample 
and placed in vials for gas chromatography/electron capture detection (GC/ECD) analysis. For 
TCP, separate 5 mL triplicate samples were taken from the flasks, centrifuged at 5000 x g for 6 
min and the supernatants were directly injected for liquid chromatography/mass spectrometry 
(LC/MS) analysis. 

A HP 6890 gas chromatograph with micro-cell electron capture detector (μ-ECD) with 
Agilent HP-5 ms (0.25 μm film thickness) 30 m × 0.32 mm i.d. analytical column and ultra-high 
purity (99.9999%) helium carrier gas was used to analyze chlorpyrifos extracts and report 
chlorpyrifos peak data. The inlet and detector temperatures were 150 and 335 °C, respectively. 
Temperature programming was as follows: Initial temperature 150 °C, hold for 1 min, then 
increase the temperature to 250 °C at a rate of 10 °C/min, hold it for 1 min, then increase the 
temperature to 310 °C at a rate of 30 °C/min and hold for 1 min. Samples were injected in the 
splitless mode and the injection volume was 1 μL. Under these conditions, chlorpyrifos retention 
time was 10.22 min.  

For TCP analysis, an Agilent 6410 triple quadrupole LC/MS was used. The column used 
was Supelcosil LC-18 (15cm x 4.6mm x 5µm, Sigma-Aldrich Co.). The mobile phase consisted 
of A: water/0.1% acetic acid, B: acetonitrile. The flow rate was 0.3 mL/min. A gradient elution 
was performed as follows: 0-13 min 30% A, 70% B, 13-18 min 100% B and 18-22 min 70% A, 
30% B. Injection volume was 100 µL. Under these conditions, TCP retention time was 11.05 
min. The mass spectrometer was operated in positive ion electrospray mode (ESI). The capillary 
voltage was 4000 V. Drying gas flow rate was 11 L/min at 350oC and the nebulizer pressure was 
set at 50 psi. Multiple reaction monitoring (MRM) was used to quantify TCP m/z 200, precursor 
ion m/z 350. The fragmentor voltage was 135 V. 
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3.2.5.3 Enzyme Assays 

Phosphomonoesterase, phosphodiesterase and phosphotriesterase enzyme activities were 
measured to investigate their relationship to the biodegradation rates. Five sets of enzyme assays 
were carried out during 2010 sampling events. 

3.2.5.3.1 Phosphomonoesterase (Alkaline Phosphatase) Activity  

Alkaline phosphatase activity in sediments was assayed by the method of Tabatabai and 
Bremner (1969) (Tabatabai and Bremner 1969), which involves the determination of p-
nitrophenol (PNP) released by incubation of 1 g soil (< 2 mm) at 30oC for 1 h with 4 mL 
modified universal buffer (MUB) pH 11, and 1 mL 5 mM substrate. For phosphomonoesterase 
activities, p-nitrophenyl phosphate was used as substrate. After 1 h of incubation, 1 mL of 0.5 M 
calcium chloride and 4 ml of 0.5 M sodium hydroxide was added to flasks and the solution was 
centrifuged at 5000xg for 5 min. The yellow color developed was measured with a UV 
spectrophotometer (Lambda 35, Perkin Elmer Inc.) at 400 nm. The p-nitrophenol concentration 
was calculated by reference to a standard curve. Controls were performed with each soil 
analyzed to determine color not derived from p-nitrophenol released by phosphatase activity.  

3.2.5.3.2 Phosphodiesterase Activity  

Phosphodiesterase activity in sediments was assayed by the method of Browman and 
Tabatabai (1978) (Browman and Tabatabai 1978), which involves the extraction and colorimetric 
determination of p-nitrophenol (PNP) released by incubation of 1 g soil (< 2 mm) with 4 mL tris 
(hydroxymethyl) aminomethane (THAM) pH 8.0 buffer, and 1 mL 5 mM bis-p-nitrophenyl 
phosphate at 30oC for 1 h. After 1 hr of incubation, 1 mL of 0.5 M calcium chloride and 4 mL of 
THAM-NaOH pH 12.0 extractant solutions were added to flasks and the solution was 
centrifuged at 5000 x g for 5 min.  The same procedure as described for the 
phosphomonoesterase activity was followed to measure the p-nitrophenol concentration. 

3.2.5.3.3 Phosphotriesterase Activity  

Phosphotriesterase activity in soils was assayed by modifying the method of Eivazi and 
Tabatabai (1977) (Eivazi and Tabatabai 1977), using tris-p-nitrophenyl phosphate as a substrate. 
11.5 mg tris-p-nitrophenyl phosphate (insoluble in water) was added as powder into a 125 mL 
Erlenmeyer flask, mixed with 1 g sediment and covered with 2 g < l00 mesh glass beads.  The 
mixture was treated with 0.25 mL toluene (added drop wise to the surface of the glass beads) and 
5 ml tris (hydroxymethyl) aminomethane (THAM) pH 9.5 buffer and incubated at 30°C for 2 
hours.  After 2 hours of incubation, 1 mL of 0.5M calcium chloride and 4 mL of THAM-NaOH 
pH 12.0 extractant solutions were added to flasks and the solution was centrifuged at 5000 x g 
for 5 min. The p-nitrophenol concentration was determined as previously described. 
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3.2.6 Kinetics Calculations 

The decline of chlorpyrifos concentration over time was fitted to a first-order decay model 
to estimate the removal rate kdeg (d-1) according to the Eq. (3-1), where Ct is the chlorpyrifos 
concentration (µg/g) at a given time, C0 is the initial chlorpyrifos concentration and t is time (d).  

 
tk

0t
degeCC −=               (3-1) 

 
The half-life t1/2, the period of time it takes for the concentration of the compound to 

decrease by half, was calculated using Eq. (3-2). 
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A common method for determining first-order degradation kinetics involves plotting the 

degradation rate rdeg versus the concentration at any given time. In the absence of instantaneous 
degradation rate data, the applicability of first-order degradation kinetics was evaluated using 
initial and final values for chlorpyrifos concentration at each time interval.  A first-order 
degradation reaction proceeding from initial concentration C1 at time t1 to a final concentration 
C2 at time t2 follows: 
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Eq. (3-1) can be solved for kdeg to get:  
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Eqs. (3-3) and (3-4) can be combined to get a solution for C: 
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The C value obtained from Eq. (3-5) is defined as the log-mean concentration (Mond et al. 

1997). Log-mean concentration versus degradation rate was plotted to evaluate the fit for first-
order degradation kinetics and to confirm first-order degradation rates obtained from exponential 
decay curves. 
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3.2.7 Statistical Analysis 

One-way analysis of variance (ANOVA) and Student’s t test for means was carried out to 
determine which sites are statistically different from each other at a significance level of 5 %. All 
statistical calculations were made using JMP statistical software (SAS, Research Triangle, NC). 

3.2.8 California Rapid Assessment Method for Wetlands (CRAM) 

The functionality of the study sites as riparian buffers was assessed using the California 
Rapid Assessment Method for Wetlands (CRAM) (Stringfellow 2010). CRAM is a scientifically 
defensible rapid assessment tool that was developed by an association of local, state, and federal 
groups and allows a field team to assess the overall health of a wetland system, ranging from the 
best to worst possible conditions for that type of wetland. Using CRAM, a suitable Assessment 
Area (AA) is determined for the type of wetland being assessed. Four main attributes, including 
buffer and landscape context, hydrology, physical structure, and biotic structure, are broken-
down into fourteen metrics which are then assigned a score based on four alternate conditions, 
from best to worst (A-D), depending on the wetland type. Scores are changed to numeric values 
(A = 12, B = 9, C = 6, D = 3) added up and converted to a percentage score for each main 
attribute and averaged across attributes to determine the wetland's overall score. Scores can range 
from 25% to 100%, with 100% representing a fully functional wetland. The buffer and landscape 
context score measures the ability of the wetland to handle stress from the surrounding area and 
consisted of the metrics: landscape connectivity, percent of Assessment Areas (AA) with buffer, 
average buffer width, and buffer condition. Hydrology score is a measure of hydroperiod, 
channel stability, and how connected the wetland is to the adjacent floodplain.  The study area is 
characterized by a Mediterranean climate, with hot dry summers and cool wet winters.  The 
region is largely rich in agriculture and is irrigated in the dry season.  All of the sites were 
dominated by crop irrigation runoff during the dry season.  The water source score was low for 
all of the sites that were studied, as all of the sites had an impacted hydrology regime.  However, 
the sites still receive natural inputs, such as storm runoff and groundwater seepage.  Physical 
structure assessed the physical diversity of the environment, with a higher diversity promoting a 
greater number of habitat niches.  Structural patch richness measured the number of physical 
features, which identified the potential habitat and complexity of the wetland.  The list of patch 
types was dependent on the wetland type and was found in the CRAM manual (Collins et al. 
2008). Biotic structure included living flora in a wetland and was a measure of species richness 
and abundance and the physical structure of the plant community.  The plant community score 
included three sub-metrics: number of plant layers, number of co-dominant species, and percent 
invasion.  Each plant layer consisted of plants of similar height that made up at least 5% of the 
possible growing area. 
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3.3 Results and Discussion 

3.3.1 Degradation rates and half-lives in sediments 

The four sites showed temporal and spatial variation in observed biodegradation rates. 
Under aerobic conditions, average half-lives (± standard deviations) of chlorpyrifos were 5 (± 8), 
16 (± 11), 18 (± 5) and 21 (± 4) days for Hospital Creek, Ingram Creek, Ramona Lake and San 
Joaquin River National Wildlife Refuge respectively (Table 3-2). For most of the sampling 
events, degradation rate of chlorpyrifos was highest in Hospital Creek sediments followed by 
Ingram Creek sediments (Fig. 3-5). Typical chlorpyrifos degradation curves along with 
formation of its transformation product TCP are shown in Fig. 3-6 to Fig 3-9 for field sediments. 
At the end of 21 days, chlorpyrifos concentration decreased to less than 1% of its initial 
concentration in Hospital Creek sediments and about 20% of the initial chlorpyrifos was 
measurable as TCP. This value is in agreement with previous chlorpyrifos degradation studies 
conducted on soils, where TCP accounted for 10% to 30% of the initial chlorpyrifos 
concentration (Racke et al. 1988, Sardar and Kole 2005). TCP concentration reached its peak 
value at the end of 7 days and did not further accumulate. This may be due to the fact that TCP is 
subject to degradation (Racke et al. 1988, Feng et al. 1997, Feng et al. 1998, Anwar et al. 2009). 
It has been suggested that most of the chlorpyrifos degrading microorganisms are either capable 
of degrading TCP or can tolerate high TCP concentrations because TCP has antimicrobial 
properties and can suppress microbial activity if it accumulates (Anwar et al. 2009).  

The rate of abiotic chlorpyrifos hydrolysis was 0.02 d-1 (±0.003) in deionized water at pH 
7.2 and 30oC (Fig. 3-10), which corresponds to a half-life of 36.5 days, and is consistent with 
previously reported data (Racke et al. 1996, Liu et al. 2001, Pehkonen and Zhang 2002). The 
initial chlorpyrifos concentration decreased by about 25% in killed control flasks over 21 days. 
The rate of chlorpyrifos degradation in killed control flasks was 0.02 d-1 (±0.008), not 
significantly different from the control flasks without sediment, suggesting that abiotic 
hydrolysis was the dominant mechanism for the observed chlorpyrifos loss in the killed controls.   

In addition to the analysis of first-order decay curves, first-order degradation kinetics was 
evaluated by plotting log-mean chlorpyrifos concentrations (Eq. 5) versus degradation rates 
(Logan and LaPoint 2002). Experiments from 2010 (n=8) were combined and it was determined 
that the chlorpyrifos degradation was first-order with respect to the log-mean chlorpyrifos 
concentration (Fig. 3-11). The slope of the regression line gives an estimate of the average first-
order degradation constant kdeg (d-1) for field sediments. The first-order degradation rate 
constants (kdeg) obtained from this analysis was in reasonable agreement with kdeg values 
obtained from the exponential decay curves (Table 3-2).   
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Table 3-2.  Average first order degradation constants and half-lives of chlorpyrifos in field sediments. 

 
  

Aerobic Incubation (n=8) Anaerobic Incubation (n=2) 

  
kdeg (d-1) t1/2 (d) kdeg (d-1) t1/2 (d) 

Hospital Creek 0.335 ± 0.184 5 ± 8 0.0075 ± 0.0007 92 ± 9 

Ingram Creek 0.131 ± 0.202 16 ± 11     

Ramona Lake 0.041 ± 0.011 18 ± 5     

SJRNWR 0.034 ± 0.007 21 ± 4     
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Fig. 3-5.  Comparison of measured degradation rates between the sites (The centers of the mean diamonds show the means of each 
sample and the tops and bottoms of the diamonds represent the 95% confidence intervals. The box plots show the median, first and 
third quantiles, and the range).  
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Chlorpyrifos degradation rates can vary widely in different soils (Racke et al. 1988, Racke et 
al. 1990, Racke 1993, Racke et al. 1994, Baskaran et al. 2003, Singh et al. 2003, Sardar and Kole 
2005, Singh et al. 2005) with half-lives ranging from 10 to 120 days. Only a few studies have 
been conducted in sediments, and half-lives ranged from 20 to 24 days in urban stream sediments 
(Bondarenko and Gan 2004), 27 to 77 days in nursery recycling pond sediments (Lu et al. 2006), 
and 58 to 144 days in sediments from a constructed wetland (Budd et al. 2011).  Half-lives 
obtained in this study were within the range reported in the literature except Hospital Creek and 
Ingram Creek sites, which had significantly faster degradation rates for most of the sampling 
events (Fig. 3-5). The large variation in half-lives observed in previous studies has been 
attributed to different environmental factors, such as soil type, soil pH, moisture content, 
temperature, and organic carbon content (Racke 1993). Watersheds included in this study have 
similar cropping practices and sediment properties (Table 3-1). Therefore, physical 
characteristics do not explain the wide range of observed degradation rates. The difference 
observed in degradation rates in this study may be related to the wet-dry cycle of the typical 
agricultural drains (Hospital and Ingram Creeks), which would allow aerobic conditions to 
prevail, whereas the wetland sites (Ramona Lake and SJRNWR) are permanently flooded 
systems with anaerobic sediments. Hospital and Ingram Creek sediments were typically light 
brown in color indicative of aerobic conditions whereas the wetland sediments were dark gray 
indicating reduced conditions. Agricultural drains typically have low flow rates and occasionally 
dry out during non-irrigation season in late fall and winter; however, high flows and flooded 
conditions were observed for Hospital Creek during sampling events in 2011 (Fig. 3-12) which 
may account for a consistent decrease in observed removal rates at this site compared to the 
previous year (Fig. 3-13).  
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Fig. 3-6. Chlorpyrifos degradation and formation of TCP in Hospital Creek sediments (∆= Killed 
controls, ●=CPF concentration, ■ = TCP concentration, error bars represent standard error). 
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Fig. 3-7. Chlorpyrifos degradation and formation of TCP in Ingram Creek sediments (∆= Killed 
controls, ●=CPF concentration, ■ = TCP concentration, error bars represent standard error). 
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Fig. 3-8. Chlorpyrifos degradation and formation of TCP in Ramona Lake sediments (∆= Killed 
controls, ●=CPF concentration, ■ = TCP concentration, error bars represent standard error). 
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Fig. 3-9. Chlorpyrifos degradation and formation of TCP in SJRNWR sediments (∆= Killed 
controls, ●=CPF concentration, ■ = TCP concentration, error bars represent standard error). 
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Fig. 3-10. Chlorpyrifos hydrolysis at pH 7.2 and 30oC (error bars represent standard error). 
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Fig. 3-11. Chlorpyrifos degradation kinetics obtained from the experiments in 2010 for each study site. 
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Fig. 3-12. Measured average flow rates during non-irrigation period (November to March) in Hospital Creek. 
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Fig. 3-13.  Difference in measured first-order decay coefficients (kdeg) between 2010 sampling events (n=8) and 2011 sampling events 
(n=5) in Hospital Creek. (The centers of the mean diamonds show the means of each sample and the tops and bottoms of the diamonds 
represent the 95% confidence intervals. The box plots show the median, first and third quantiles, and the range. Each pair of group 
means can be compared visually by examining the intersection of the comparison circles. If the circles do not intersect or the outside 
angle of intersection is less than 90 degrees, the means are significantly different). 
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To investigate the effect of redox potential on chlorpyrifos degradation, sediments with 
highest chlorpyrifos degradation capacity from Hospital Creek were incubated under anaerobic 
conditions. Chlorpyrifos degradation rate was much lower under anaerobic conditions (Fig. 3-
14). Half-life of chlorpyrifos in Hospital Creek sediments under anaerobic conditions increased 
to 92 days (Fig 3-14). The inhibitory effect of anaerobic conditions on chlorpyrifos degradation 
has been previously documented for soils (Racke 1993) and sediments (Bondarenko and Gan 
2004, Lu et al. 2006). These results suggest that allowing a wet-dry cycle can enhance the 
degradation rates of an organophosphate insecticide in these systems by providing aerobic 
conditions in sediments. The application of a wet-dry cycle is a useful management tool for the 
rehabilitation of permanently flooded wetlands (Raulings et al. 2011). The persistence of aquatic 
wetland plants during wet-dry cycle is ensured by regular reseeding of the population by seed 
germination (Van Der Valk and Davis 1978). During dry phase, emergent plant species 
germinate on exposed mudflats and when water returns, they expand by vegetative propagation 
(Van Der Valk and Davis 1978). Depth and duration of the flooding period will affect how these 
wetland communities develop. A long period under permanently flooded conditions is not 
desired both from the ecological point of view, as it would likely result in decreased plant 
species richness, and from a pesticide management point of view, as sufficient aeration is desired 
between consecutive irrigation seasons. The proposed wet-dry cycle period would be similar to 
agricultural drains in the region. The dry phase would encompass the non-irrigation season in 
late fall and winter, and the wetland would be flooded again in spring and summer when the 
irrigation season begins. In the dry phase, given the moderate volatility of chlorpyrifos, 
volatilization would not be a significant dissipation pathway unless spray applications occur. On 
the other hand, photolysis may contribute to chlorpyrifos degradation in dry sediments if it is 
exposed to direct sun light. Previous studies reported photolysis half-lives of 10-20 days in soil 
surface under continuous UV radiation (Walia et al. 1988, Graebing and Chib 2004). Under field 
conditions however, there won’t be continuous exposure to sunlight, and photolytic degradation 
will probably be much slower than reported values, especially in winter months. 

Another factor that potentially affected the observed degradation rates was pesticide 
exposure histories at the study sites. According to data from the California Department of 
Pesticide Regulation (CDPR 2011), the Hospital Creek watershed had a higher use of 
chlorpyrifos than the other study sites and chlorpyrifos use in this watershed consistently 
increased between 2007 to 2010 (Fig. 3-15). Although the SJRNWR site is downstream, at the 
confluence of Hospital Creek and Ingram Creek, it is less susceptible to chlorpyrifos exposure 
because the compound is deposited to sediments upstream. When soils are repeatedly exposed to 
chlorpyrifos, some microorganisms may gain an enhanced capability to degrade the compound, a 
phenomenon called enhanced biodegradation (Singh et al. 2003). For example, Singh et al. 
(2003) observed rapid degradation of both chlorpyrifos and the transformation product TCP in an 
Australian soil collected from a site where chlorpyrifos had been used continuously for more 
than 14 years. It has also been reported in some other studies, however, that chlorpyrifos was 
resistant to enhanced biodegradation (Racke et al. 1990). Additional research is needed to assess 
the differences in microbial communities among the study sites and their link to the pesticide 
exposure history. 

The functionality of the study sites as riparian buffers was assessed using the California 
Rapid Assessment Method for Wetlands (CRAM) (Stringfellow 2010). Results of the CRAM 
analysis indicate that these riparian areas range from very low functionality (Hospital Creek at 
37%), to high functionality (SJRNWR at 88%) (Table 3-3). The finding of higher chlorpyrifos 
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degradation capacity of sites with low functionality may be related to the fact that healthy 
wetlands often contain large areas of anaerobic sediments that may not be conducive to microbial 
communities that rapidly degrade chlorpyrifos. As a result, strategies intended to increase 
wetland functionality alone may not be conducive to pesticide degradation.  

3.3.2 Enzyme Activities 

The hydrolysis of the P-O linkage of organophosphate insecticides is catalyzed by 
phosphotriesterase (PTE), a zinc metalloenzyme capable of hydrolyzing organophosphate 
compounds including agricultural pesticides and chemical warfare agents (Dumas et al. 1989, 
Aubert et al. 2004). This enzyme reportedly has been responsible for the biodegradation of 
organophosphate insecticides in previous studies (Caldwell and Raushel 1991, Raushel 2002, 
Sogorb and Vilanova 2002, Cho et al. 2004, de la Pena Mattozzi et al. 2006, Istamboulie et al. 
2009, Weston and Jackson 2009). Phosphomonoesterase and phosphodiesterase enzymes were 
involved in chlorpyrifos mineralization making phosphorus available for uptake by 
microorganisms (Singh et al. 2004).   

To investigate the relationship between different types of phosphoesterase enzymes and 
observed chlorpyrifos degradation rates, enzyme activities were measured and compared to the 
biodegradation rates. A positive correlation between PTE enzyme activities and chlorpyrifos 
degradation rates was observed, however, the relationship differed for each site (Fig. 3-16). 
These results suggest that the PTE enzyme assay may be useful as a tool for assessing temporal 
variations at individual sites after PTE enzyme activities are calibrated to the site-specific 
degradation rates. No correlation was observed between chlorpyrifos degradation rates and 
phosphomonoesterase and phosphodiesterase activities (data not shown).  This finding may be 
related to the fact that the field sediments were not phosphorus limited (Table 3-1).  
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Fig. 3-14. CPF degradation and TCP formation under different redox conditions for Hospital 
Creek sediments (●= CPF degradation under aerobic conditions, ∆= CPF degradation under 
anaerobic conditions, ○= TCP formation under anaerobic conditions, ■ = TCP formation under 
aerobic conditions, error bars represent standard error). 
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Fig. 3-15.  Chlorpyrifos use in in the study region between 2001 and 2010. 
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Table 3-3.  Assessment of functionality of the study sites as riparian buffers using CRAM methodology [11]. 

 

 Site name 
Overall AA 

Score  
(%) 

Buffer and 
Landscape 

Context Score 
(%) 

Hydrology 
Score 
(%) 

Physical 
Structure Score 

(%) 

Biotic Structure 
Score 
(%) 

Hospital Creek 37 30 41.6 37.5 
36.0 

Ingram Creek 55 27.3 58.3 50 
83.3 

Ramona Lake 53 57.9 41.7 50 
63.9 

SJRNWR 88 93.3 66.7 100 
91.7 
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Fig. 3-16. Relationship between PTE activity and first order degradation rate kdeg (d-1). Linear weighted regression was carried out 
for the Ingram Creek site. 
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3.4. Conclusion 
In this study, the biodegradation of the organophosphate pesticide chlorpyrifos and its link 

to measured phosphoesterase enzyme activities in sediments from wetlands and agricultural 
drains in San Joaquin Valley, CA was investigated. Sites showed temporal and spatial variation 
in observed biodegradation rates with half-lives ranging from 1 to 35 days under aerobic 
conditions. Faster degradation rates were observed in agricultural drains relative to the wetland 
sites. Sediments from Hospital Creek, the site with highest chlorpyrifos degradation capacity, 
were incubated under anaerobic conditions to investigate the effect of redox conditions on the 
degradation rates. Chlorpyrifos degradation slowed down significantly under anaerobic 
conditions with a corresponding half-life of 92 days. Biodegradation rates decreased significantly 
in sediments from the Hospital Creek site during 2011 due to the flooded conditions that 
preceded sample collection. These results suggest that management strategies, such as allowing a 
wet-dry cycle, could support aerobic microbial populations and enhance degradation rates of the 
organophosphate insecticides in these systems. 

Pesticide exposure history was another factor that appeared to play a role in chlorpyrifos 
degradation potential. The site where the highest chlorpyrifos use was reported exhibited the 
highest chlorpyrifos degradation capacity among the study sites. The biotransformation rates at 
this site were among the highest reported in the literature. 

There was a positive correlation between PTE activities and observed chlorpyrifos 
degradation rates at individual sites, suggesting that PTE enzyme activity can be used as an 
indicator of biodegradation potential with reference to the site-specific degradation rates.   

Additional research is needed to assess factors that govern organophosphate pesticide 
degradation in wetland sediments. This information could provide insight into how to better 
manage treatment wetlands for organophosphate pesticide removal and the potential for wetland 
sediments to serve as sources of organophosphate insecticides. 
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Chapter 4. Modeling the effect of wetland 
management practices on mitigation of 
agricultural pollution using the Watershed 
Analysis Risk Management Framework 
(WARMF) 
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4.1 Introduction 
As a result of the advances in computer technology, water quality models have been 

developed to simulate the fate and transport of a wide range of pollutants in receiving waters. 
Recent models link surface waters with watershed processes, groundwater and bottom sediments 
to provide comprehensive frameworks to predict the impact of human activities on water quality 
(Chapra 2003).   

The classical command-and-control approach toward water quality management was to 
mandate specific treatments for point source discharge, with little concern about non-point 
source pollution. The US Environmental Protection Agency (EPA) has changed its water quality 
management policy from command and control to a consensus process involving local 
stakeholders. The Total Maximum Daily Load (TMDL) program, established under the Clean 
Water Act, incorporates the control of nonpoint source pollution into water quality management 
(EPA 2008). A TMDL is defined as the maximum load of a pollutant that a water body can 
receive and still be in compliance with its water quality objectives. For impaired waters, the 
difference between the existing pollutant load and the TMDL load is assumed to be the required 
reduction in pollutant loading that will bring the water body into compliance with its water 
quality objective (EPA 2008). The US EPA’s current water quality management policy 
incorporates considerations of all point and non-point source discharges within a watershed to 
determine TMDLs for various pollutants for water quality limited sections (WQLS) (EPA 2008). 
This is more commonly referred to as “303(d) lists”.  

Section 303(d) of the Federal Clean Water Act requires that states develop a list of water 
bodies that do not meet water quality standards, establish priority rankings for waters on the list, 
and develop TMDLs to improve water quality (SWRCB 2011). The analysis must be performed 
on a watershed basis and is commonly referred to as the “watershed approach.” It may take 8 to 
13 years to complete TMDL determinations for all river basins throughout the United States. 
Once established, TMDLs will be reviewed every 5 years in a continuous planning process (EPA 
2008).  

In California, the setting of TMDL standards is accompanied by the development of 
scientific and management plans directed at achieving the TMDL water quality objectives. The 
San Joaquin River is now listed under Section 303(d) of the Clean Water Act as an impaired 
waterbody based on its loss of fisheries-related beneficial uses. As a result, the river is now 
subject to regulation under TMDL rules for a number of water quality parameters (Stringfellow 
et al. 2009). A crucial step in the TMDL process is usually the development of a model that is 
capable of estimating the relationships between the condition of the water body, the identified 
pollutant sources, and/or the alternatives for loading reduction (EPA 2002). In response to this 
aspect, complex watershed models, such as SWAT (Soil and Water Assessment Tool) (Neitsch 
2001), HSPF (Hydrologic Simulation Program-Fortran) (Bicknell 2001), and WARMF 
(Watershed Analysis Risk Management Framework) (Chen 2001), have been increasingly used 
for TMDL analysis (Zheng and Keller 2008). The primary reason, and benefit, for applying a 
watershed model for TMDL development typically is the need to predict pollutant generation 
from varying land uses under different management scenarios and from multiple subwatersheds. 
The level of detail for predicting spatial loading and then the fate and in-stream transport of the 
loads depends on the type of model used and the way in which it is setup and applied to the 
watershed (EPA 2008). 
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The objective of this study was to evaluate the effect of different wetland management 
practices on the mitigation of agricultural pollution under different scenarios using the WARMF 
water quality model. Utilizing the model’s capabilities and the kinetic parameters obtained from 
Chapter 2, nitrate removal was assessed under different land use scenarios based on the amount 
of land that would need to be allocated to wetlands to achieve the desired outcome. In addition, 
the kinetic parameters obtained from Chapter 3 for different wetland management strategies were 
used to assess chlorpyrifos mitigation strategies based on chlorpyrifos application trends in the 
region.  

4.2 Methods 

4.2.1 WARMF Model Structure 

WARMF is a GIS-based watershed model that is suitable for TMDL analysis. It is a 
complex model that is compatible with other watershed models contained in the EPA BASINS 
(Better Assessment Science Integrating point and Non-point Sources) modeling suite (EPA 
2001) and can be applied to the San Joaquin River Basin. The model is well documented (Chen 
2001) and several papers on WARMF applications have been published in peer-reviewed 
journals (Chen et al. 2005, Zheng and Keller 2006, 2007, 2008, Stringfellow et al. 2009, Chen 
and Herr 2010, Herr et al. 2010, Chen 2011, Zheng et al. 2011).  The software and associated 
documents are available on US EPA’s website 
(http://www.epa.gov/athens/wwqtsc/html/warmf.html).  

 Figure 4-1 presents the modular architecture of WARMF. In addition to the three basic 
components (Engineering, Data, Knowledge), WARMF contains two application modules 
(consensus and TMDL).  
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Figure 4-1. Modular Structure of WARMF. 
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4.2.1.1 Engineering Module 

The engineering module simulates the hydrology and water quality for the landscape of a 
river basin. A river basin has tributary lands, rivers, and reservoirs. To capture the spatial 
variations within a river basin, the WARMF model divides the basin into a hydrologic network 
of land catchments, stream segments, and lake layers. Physical dimensions of the hydrologic 
components are prescribed by digital elevation map data, which can be downloaded from the 
website of US Geological Survey (USGS). 

By selecting a specific land catchment, stream segment, or reservoir on the basin map, 
dialog boxes for physical, chemical, and biological characteristics of a location can be displayed 
with the description of variable names and their units. Values for model coefficients can be 
modified by the user during model calibration. The model allows the user to include atmospheric 
deposition from precipitation and dry dust, point source discharges (e.g., sewage outfalls) and 
fertilizers applied to farm lands. Hydrology, nonpoint load and water quality are simulated in all 
sections of the waterway. Simulated parameters include flow, water depth, and an array of water 
quality parameters including pH, temperature, dissolved oxygen, ammonia, nitrate, phosphate, 
suspended sediments, fecal coliforms, major cations and anions, and pesticides. The time step of 
simulations is typically one day.  The model’s database contains default input data and data to 
evaluate simulation results. The model also uses input including digital elevation maps, land use, 
fertilizer application, air quality, meteorology, and point source discharges. A variety of model 
outputs are automatically saved for graphical, tabular or GIS displays. The sub-models 
embedded in WARMF are adapted from many well established algorithms, such as sediment 
erosion and pollutant transport algorithms in ANSWERS  (Areal Non-point Source Watershed 
Environment Response Simulation) (Beasley et al. 1980), and pollutant accumulation and wash-
off algorithms in SWMM (Storm Water Management Model) (EPA 1992).  

4.2.1.2 Data and Knowledge Modules 

To simulate the dynamics of a river basin, WARMF uses a number of time series data sets in 
modeling. Meteorology, air quality, precipitation quality, point source discharge, and reservoir 
flow release data are used to drive the model. Hydrology and water quality data are used to check 
model results. The data module allows users to review the input data sets and make changes. The 
time series data sets are stored in ASCII text files, one file per monitoring station (Chen 2001). 
Each row of a data file contains a date and a series of numerical values for monitored parameters 
in separate columns. As a part of continuous planning process, new data may be collected after 
the planning is completed. When there is a need to extend the time period of old data sets to 
include the new data, the data module allows users to enter new data as they become available. 

The knowledge module can include reservoir operation rules, water quality standards, rate 
coefficients, and other items. The reservoir operation rules are replaced by an input file that 
contains the specified flow releases from various outlets. Water quality standards are included in 
the water quality criteria for various designated uses. The knowledge module can be used to store 
files used to process input data for a site-specific application, spreadsheets used to calculate the 
cost of best management practices, references, applicable laws, and relevant case studies. 
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4.2.1.3 Consensus and TMDL Modules 

Consensus and TMDL modules are roadmaps that provide guidance for stakeholders during 
the decision-making process. Through the TMDL Module, calculations are made for a series of 
control points throughout the river basin. A road map is provided for the step-by-step procedure. 
An iterative set of simulations is performed to calculate various combinations of point and 
nonpoint loads that the waterbody can accept and meet the water quality criteria of the 
designated uses. The water quality criteria can be specified for multiple parameters and based on 
percent compliance.  

The consensus module is an application tool embedded in WARMF. The purpose of the 
module is to guide stakeholders to a general agreement on a watershed management plan. It 
relies on the engineering models to furnish technical information for stakeholders to make 
decisions. 

4.2.2 San Joaquin River Model Interface  

The San Joaquin River (SJR) Model Interface is a WARMF version developed to simulate 
the San Joaquin River and its watershed (Herr 2008) (Figure 4-2). The section of the San Joaquin 
River within the watershed was divided into 93 river segments.  The irrigated lands were divided 
into 17 land catchments. The model simulates natural storm water runoff, irrigation return flow, 
groundwater table of land catchments, and groundwater lateral flow from land catchments to the 
receiving river segments. There are gauge stations that provide measured inflows as inputs to the 
model. For example, there are three gauges for the three major east-side tributaries (Stanislaus, 
Tuolumne, and Merced Rivers). For the agricultural lands, the model inputs includes daily 
diversions, locations of diversions, and areas upon which the irrigation water was applied. Based 
on the locations of diversions, the model uses the water quality of the source water when 
applying that water for irrigation. 

4.2.2.1 Hydrologic Simulations 

The model simulates the hydrological processes of snowpack accumulation, snowmelt, 
canopy interception, throughfall, evaporation and transpiration, infiltration, percolation, 
groundwater lateral flow, and surface runoff. These processes are simulated based on water 
balance and physics of flow (Herr and Chen 2012). Precipitation and irrigation water can 
percolate into the soil. Within the soil, water increases the moisture level in each soil layer. After 
the field capacity is exceeded, water percolates down to the water table, where it flows laterally 
out of the land catchment according to Darcy’s Law. Water on the soil or within the soil is 
subject to evapotranspiration, which is calculated based on temperature, humidity, and season. 
The amount of water entering and leaving each soil layer is tracked by the model. If the amount 
of water entering the soil layer is greater than the amount leaving the soil layer, the water table 
rises. If the water table reaches the surface, the soil is saturated and overland flow occurs, which 
is calculated by Manning’s equation (Chen 2001). Rivers accept the subsurface and overland 
flow from linked catchments. They also receive point source discharges and flow from upstream 
river segments. Diversion flows are removed from river segments. The remaining water in the 
river is routed downstream using the kinematic wave algorithm. The channel geometry, 
Manning’s roughness coefficient, and bed slope are used to calculate depth, velocity, and flow. 
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The velocity is a measure of the travel time down the river, which in turn affects the water 
quality simulation. 

4.2.2.2 Water Quality Simulations 

The fundamental principle which guides the model’s simulation of water quality is heat and 
mass balance. Heat is transferred to the soil via precipitation and irrigation. Heat exchange 
occurs between catchments and the atmosphere based on the thermal conductivity of the soil. 
Temperature is then calculated by heat balance throughout the model. 

There are various ways by which chemical constituents can enter the model domain. They 
can enter the land surface via irrigation water, land application, atmospheric deposition or point 
source discharge. Chemical species move with water by percolation between soil layers, 
groundwater lateral flow to rivers, and surface runoff. Each soil layer is modeled as a completely 
mixed reactor, as is the land surface within each land use (Chen 2001). Competitive cation 
exchange between the major cations (H+, NH4+, Ca2+, Mg2+, K+, Na+) are simulated on the 
available soil exchange sites. Anions and optional metals partition between dissolved and 
adsorbed phases in the soil based on an adsorption isotherm. Nutrient cycling between soil and 
vegetation is simulated for each land use. The model simulates the soil erosion of sand, clay, and 
silts from the land surface, and sedimentation and resuspension of particles in streams. A 
dynamic equilibrium is maintained between dissolved and adsorbed phases of each ion. The 
dissolved oxygen (DO) concentration is tracked during the simulations, and anoxic reactions take 
place as DO is depleted. When overland flow takes place, sediment is eroded from the catchment 
surface according to the modified universal soil loss equation. Adsorbed ions (e.g. phosphate) are 
carried on soil particles to the river. Each river segment is modeled as a completely mixed 
reactor. Sediment can settle into the river bed and is scoured from the river bed when velocity is 
high enough. Chemical reactions take place in the canopy, soil surface, soil layers, and surface 
waters. Reaction rates are based on first-order decay with reaction-specific rates. (Chen 2001). 
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Figure 4-2. The SJR Model Interface (the gray area represents the model domain, the boundaries of water districts are represented 
with green, yellow, pink, red and purple lines).
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4.2.2.3 Model Inputs 

The model requires six categories of input data: geometric dimensions of land catchments 
and river segments and their elevations, soil characteristics of the watersheds, model coefficients, 
land uses, meteorological conditions, and operating conditions. The first 4 categories of data are 
time invariant variables, which remain constant during the model simulation. Their input values 
are set only once during model setup. The model coefficients include reaction rates and their 
temperature correction factors. The model allows for land use changes, which can occur once 
every few years. In that case, the model uses a “warm start” procedure to run the simulation in 
sequence. In this procedure, the model uses a set of land use data to perform a simulation for a 
period of a few years. It saves the results at the end of the simulation and uses them as the initial 
condition to start the simulation for the next few years with the new land use data. The last two 
categories of data vary with time. These are sometimes referred to as “driving variables” (Chen 
2001). The meteorology affects the annual and seasonal variations of hydrology (i.e., dry years 
vs. wet years) and water quality (i.e., hot summers vs. cold winters). The operating conditions 
include human activities such as fertilizer applications, reservoir releases, diversions, irrigation 
and waste discharges, which can be modified by management alternatives to improve water 
quality.  

4.2.2.3.1 Topographic Data 

The Digital Elevation Model (DEM) data available from the EPA BASINS were imported to 
WARMF SJR model (Chen 2001). DEM data were used to delineate the Upper San Joaquin 
River Basin into land catchments and river segments. The geometric dimensions and slope of 
land catchments and the length and slope of river segments were also calculated.  

4.2.2.3.2 Land Use Data 

Each land catchment had various land uses on its surface. The San Joaquin River watershed 
model was set up to have the land uses of grassland, evergreen forest, deciduous forest, mixed 
forest, shrub/scrub, marsh, orchard, cropland, flowers and nursery, farmsteads, perennial forage, 
barren, urban residential, urban commercial/industrial, paved areas and water. The 1980 land use 
shape files of the USGS were imported into the model (Chen 2001). Percent land use area was 
calculated by overlaying the shape files of land use layers with the boundaries of land 
catchments. 

4.2.2.3.3 Point Source Discharge Data 

The Modesto Water Quality Control Facility is the only point source discharge in the 
upstream watershed. Its daily flow and associated water quality concentrations were obtained 
from the EPA Pollution Control System (PCS) database. 

4.2.2.3.4 Agricultural Drains and Spills Data 

These data include discharges from fourteen agricultural canals and drains that discharge 
water to the Upper San Joaquin River. The composition of these discharges depends on the water 
source; in some cases the discharges consist of excess delivery water while other discharges 
consist of drainage from agricultural lands. There are four discharges from the Modesto 
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Irrigation District (MID), six from the Turlock Irrigation District (TID), and four drains on the 
west side of the San Joaquin River. They are distributed along the San Joaquin River from the 
Merced River to the Stanislaus River and along the lower reaches of the east-side tributaries. The 
TID Harding Drain includes the discharge from the City of Turlock Wastewater Treatment Plant.  

4.2.2.3.5 Irrigation Water 

Irrigation from 11 districts was simulated in the WARMF SJR model. The irrigation flows 
were diverted from various sources shown in Table 4-1. 

4.2.2.3.6 Fertilizer Application Data 

Nitrogen-based fertilizer was applied to “orchard” and “cropland” land uses in the model. 
The application rates were 38.4 kg/ha (April through October) and 43.6 kg/ha (May through 
September) (USDA 2012) for orchard and cropland land uses respectively. 

4.2.2.3.7 Chlorpyrifos Application Data 

Chlorpyrifos application data for the simulated watershed (Orestimba Creek) were obtained 
from California Department of Pesticide Regulation (CDPR) database (CDPR 2011). Each 
individual report of agricultural use includes a unique grower identification code, the grower’s 
identification of the treated field (site ID), the geographic location of the treated field to within a 
square mile (i.e., the meridian, township, range and section), the county, the name of the crop, 
the number of acres of the planted crop, the date and time of application, the number of acres 
treated, the pounds of active ingredient applied, the name of the pesticide product and the pounds 
of product applied. Using ArcGIS 9.1 software (ESRI, Redlands, CA), Orestimba Creek 
watershed boundaries were intersected with the state Public Land Survey System (PLSS) map 
layer to obtain which townships and sections remain within the watershed boundaries. The 
monthly chlorpyrifos application data for the period of 2004 to 2010 was then summed for these 
sections. The average values were used as inputs for the model (Table 4-2). 
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Table 4-1. Sources of irrigation water used in WARMF SJR model.  

Irrigation District Water Source 

South San Joaquin Irrigation District Stanislaus River 

Modesto Irrigation District Tuolumne River 

Turlock Irrigation District Tuolumne River 

Central California Irrigation District Delta-Mendota Canal 

Del Puerto Water District Delta-Mendota Canal 

Oak Flat Water District Delta-Mendota Canal 

Patterson Water District San Joaquin River 

West Stanislaus Irrigation District San Joaquin River 

El Soyo Water District San Joaquin River 

Banta-Carbona Irrigation District San Joaquin River 

Plain View Water District Delta-Mendota Canal 
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Table 4-2. Monthly chlorpyrifos application rates at Orestimba Creek Watershed (g/ha) (based on data from CDPR (2011)).  

 

 
March April May Jun July August September October 

2004 0.8 2.5 49.7 26.3 43.6 30.7 3.0 0.0 

2005 0.0 9.0 45.1 32.4 69.7 57.7 0.0 0.0 

2006 0.0 0.0 28.8 37.7 83.3 62.4 9.1 2.8 

2007 3.7 6.1 45.8 62.2 23.3 6.9 2.1 0.0 

2008 0.0 9.6 61.9 32.8 57.7 20.8 21.9 0.0 

2009 0.8 13.0 14.0 13.6 115.7 7.0 12.4 0.0 

2010 0.0 0.0 34.5 11.3 38.0 45.7 15.9 0.0 

Average 0.8 5.7 40.0 30.9 61.6 33.0 9.2 0.4 
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4.2.3 Model Calibration 

Model calibration was performed by adjusting model coefficients within reasonable ranges 
to improve the match between model predictions and observed data. The observed data were 
retrieved from the U.S. Geological Survey (USGS) stations along the San Joaquin River and 
embedded in the model. The model predictions and observed data were plotted and the 
differences between the predicted and observed values were calculated in terms of relative error, 
absolute error, root mean square error and coefficient of determination. The correlation 
coefficient is often used to ensure that the simulation results predict measured data. With a time 
series, however, the correlation coefficient ignores errors in time. For example, a one-day error 
in the prediction of a peak flow causes a low correlation coefficient even if the magnitude of the 
flow peak is predicted correctly (Herr and Chen 2012). It is also possible to have a high 
correlation coefficient if the simulation results are a consistent multiple of the measured data, so 
it is very important to use other measures of error. Two types of error commonly used when 
calibrating WARMF include relative error (Er) and absolute error (Ea) (Eq. 4-1 and 4-2), where 
xs is the simulated value, xo is the observed value and n is the number of observations. 

 

     𝐸𝑟  =  ∑(𝑥𝑠 − 𝑥𝑜)
𝑛

                                                  (4-1)  
 

 𝐸𝑎  =  ∑|𝑥𝑠 − 𝑥𝑜|
𝑛

               (4-2)     
                
Relative error represents the average difference between each simulated value and the 

observed value for the corresponding location and time. Since positive and negative errors cancel 
out, this is a measure of model accuracy or bias. Absolute error determines the average 
magnitude of the difference between simulated and observed values and is thus a measure of 
model precision. Absolute error reflects the expected error of an individual output value, while 
relative error reflects the expected error over an entire time series. Both can be expressed as a 
percent by dividing by the average measured value. A reasonable goal for calibration is to have 
the relative error within 10% of the average observed value, although this criterion might not be 
easily met for constituents with observed data near the detection limit (Herr and Chen 2012). 
With very low measured concentrations, the error in observed data is often too large for precise 
calibration. Realistic expectations for absolute error vary by parameter and watershed. According 
to Herr and Chen 2012, a good absolute error is generally less than 20% for flow and 
conservative chemical constituents, less than 30% for nutrients, and less than 50% for 
phytoplankton and total suspended sediment (Herr and Chen 2012). 

Hydrological calibration and calibration for total suspended sediments were performed first, 
because an accurate flow and suspended sediments simulation is a pre-requisite for accurate 
water quality simulations.  

4.2.3.1 Flow Calibration 

Flow was calibrated using data from 2005 to 2009. Boundary river inflows were checked for 
their accuracy and evapotranspiration coefficients, field capacity, saturated moisture and 
hydraulic conductivity were then adjusted so that the simulated agricultural return flow and 
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groundwater accretion can account for flow changes between the monitoring stations. There are 
three levels of hydrologic calibration: global, seasonal, and event-based (Chen 2001). “Global” 
means that the simulated annual volume of water passing a gauge is the same as the volume 
measured. “Seasonal means” that the simulated seasonal variation of hydrology follows the same 
pattern of measured hydrograph. The measured hydrograph typically has a high flow during the 
rainfall season and a recession to base flow during the dry season. Event means that the 
simulated peak flows match the observed peaks during precipitation events. Key parameters 
adjusted during hydrology calibration are listed in Table 4-3. 

There are seven gaging stations along the San Joaquin River where simulated flow can be 
compared against observed data.  Comparison of simulated and observed hydrographs for 
Orestimba Creek and SJR at Vernalis are shown in Figure 4-3 through Figure 4-6. Table 4-5 
provides the summary statistics of model errors, assuming the measured flows are accurate. The 
relative error at Vernalis station (11%) was slightly bigger than the calibration target (%10). The 
model slightly over-predicted the peak storm events observed in winter months (Fig 4-5). This 
was also reflected in the absolute error (24%), which was slightly bigger than the calibration 
target for flow (20%). At the Orestimba Creek, both the relative error (%40) and the absolute 
error (59%) were higher than the target of 10% for relative error and the target of 20% for flow 
(Table 4-5). That was partly due to the over-prediction of peak storm events and very low flow 
measurements approaching zero at that site (Fig. 4-3). As mentioned previously, the error in 
observed data is often too large for precise calibration with very low measured concentrations. A 
visual inspection of figures 4-3 and 4-5 shows, however, that the model was able to capture 
trends in flow fluctuations most of the time. Therefore, the flow calibration was considered 
satisfactory for our purposes. 
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Table 4-3. WARMF parameters to which the hydrologic calibration is most sensitive, as listed in 
(Herr and Chen 2012).  

Parameter Type of Parameter Effect on Hydrograph 

Evaporation (Ec) Systemwide Long-term 

Evaporation skewness Systemwide Seasonal 

Fraction impervious Systemwide by land use Event hydrograph 

Snow formation temperature (Ts) Systemwide Seasonal 

Snow melting rates Mo, Mf Systemwide Event hydrograph 

Precipitation weighting factor Catchment Long-term, event hydrograph 

Temperature lapse Catchment Seasonal, event hydrograph 

Soil layer thickness (Z) Catchment Seasonal, event hydrograph 

Soil initial moisture (ϴ) Catchment Seasonal, event hydrograph 

Soil field capacity ϴfc Catchment Seasonal, event hydrograph 

Soil porosity ϴs Catchment Seasonal, event hydrograph 

Soil hydraulic conductivity Kh, Kv Catchment Seasonal, event hydrograph 

Manning’s coefficient, n Catchment/River Event hydrograph 

Detention storage Catchment Event hydrograph 
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Figure 4-3. Calibrated flow at Orestimba Creek (USGS station number 11274538).  
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Figure 4-4. Simulated vs. observed flow at Orestimba Creek (USGS station number 11274538).  
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Figure 4-5. Calibrated flow at Vernalis (USGS station number 11303500). 



 

93 
 

 

 

Figure 4-6. Simulated vs. observed flow at Vernalis (USGS station number 11303500).  
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4.2.3.2 Model Calibration for Total Suspended Sediments 

Key parameters adjusted for calibration of total suspended sediment calibration are 
presented in Table 4-4.  

Table 4-4. Key parameters adjusted for total suspended sediment calibration.  

Parameter Parameter Type 

Cropping factor (C) Systemwide by land use 

Soil Erosivity (K) Catchment 

Soil sand, silt, and clay fractions Catchment 

Detachment velocity coefficients (K, b) River 

Initial bed sediment depth River 

Bed sand, silt, and clay fractions River 

 

Figure 4-7 through Figure 4-10 show the simulated and observed time series of total 
suspended sediment at two stations along the San Joaquin River. The stations presented here 
were selected based on the availability of the monitoring data for the calibration and validation 
period. Sediment load to the San Joaquin River came from boundary river inflows and overland 
flows from land catchments. Once in the river, sediment could settle out or be scoured from the 
river bed. The settling velocity for clay was set at 0.0003 m/d for most of the river segments due 
to turbulence. The monitoring data from the San Joaquin River had more total suspended 
sediment than can be explained by boundary river inflows alone. The monitoring data suggested 
the likelihood of scouring in the river bed that was predicted by the model using the default 
settling rate, scouring shear stress and velocity embedded in the model database.  

  The observed seasonal variations of total suspended sediment were simulated by the model 
with good precision in general. However, the model simulated high peak concentrations resulting 
from storm runoff which were not observed in biweekly monitoring data at Orestimba Creek in 
2005 and 2006 (Fig. 4-9). The relative error at Vernalis station (- 20%) was higher than the 
calibration target (%10) due to two peak total suspended sediment concentrations during storm 
events in 2006 and 2008, which were under-predicted by the model. (Fig 4-7). The absolute error 
at Vernalis station was barely within the target for total suspended sediment calibration (50%). 
At the Orestimba Creek, both the relative error (-10%) and the absolute error (36%) were within 
the calibration targets of 10% and 50% respectively (Table 4-5). Based on these results, the 
calibration for total suspended sediments was considered satisfactory. 
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4.2.3.3 Model Calibration for Nitrate 

Key parameters adjusted for calibration of nitrate were nitrification and denitrification rates 
at catchments and rivers, adsorption coefficients, vegetation composition and initial pore water 
concentrations. Figure 4-11 through Figure 4-14 compare the time series of simulated and 
observed nitrate at two stations along the San Joaquin River. The stations presented here were 
selected based on the availability of the monitoring data for the calibration and validation period. 
The relative error at Vernalis station (2%) was within the calibration target of 10%, but the 
absolute error (49%) was higher than the calibration target for nutrients (30%) (Table 4-5). This 
is partly due to the several extreme nitrate concentrations observed during 2008, which were not 
simulated by the model (Fig. 4-13). It is also evident from Figure 4-13 that the number of 
observed data at the Vernalis station dramatically increases after October 2007, with multiple 
data points accommodating one single day. It was not clear whether these data were hourly 
monitoring data or data from multiple sources embedded in the model input. Since this effect 
cancels out during relative error calculation, the relative error remained low; however, this effect 
was reflected in the absolute error (Table 4-5). At the Orestimba Creek, the relative error (5%) 
was within the calibration target of 10%, but the absolute error (50%) was higher than the 
calibration target for nutrients (30%) (Table 4-5). This is partly due to the several peak nitrate 
concentrations during storm events simulated by the model which did not match with the 
observed data (Fig 4-11). Another reason for the high absolute error might be the fact that only a 
few observed data points were available at this station. There were big data gaps especially for 
winter months and for the period between 2007 and 2009 (Fig 4-11). The accuracy of the 
monitoring data at some monitoring stations should also be verified. However, a deeper analysis 
of the model calibration and fine-tuning of the model was beyond the scope of this study. There 
were several other monitoring stations along the San Joaquin River, such as Crows Landing, 
Stevinson, Patterson, and Maze Road, which performed better during nitrate calibration (data not 
shown). Based on these results, nitrate calibration was considered satisfactory for our purposes. 

4.2.3.4 Model Calibration for Chlorpyrifos 

Key parameters adjusted for chlorpyrifos calibration were chlorpyrifos decay rates in water 
and bed sediments, adsorption coefficients, and initial pore water concentrations. Figures 4-15 
and 4-16 compare the time series of simulated and observed chlorpyrifos at Orestimba Creek, the 
site selected for chlorpyrifos simulations. Table 4-5 provides the summary statistics of model 
errors for chlorpyrifos. Chlorpyrifos calibration was limited by the scarcity of the number of the 
observed data resulting in very high relative and absolute errors. The errors were also partly due 
to the presence of two abnormally high observed chlorpyrifos concentrations, which were not 
simulated by the model. Another limitation for the chlorpyrifos calibration was the fact that a 
portion of the observed data was at or near the method detection limit. However, the visual 
inspection of Figure 4-15 indicates that the model was able to follow the seasonal patterns and 
magnitude of chlorpyrifos peak concentrations most of the time. Therefore, chlorpyrifos 
calibration was considered satisfactory for our purposes. 
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Figure 4-7. Calibration results for total suspended sediment at Vernalis (USGS station number 11303500).   
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Figure 4-8. Simulated vs. observed total suspended sediment concentrations at Vernalis (USGS 
station number 11303500).  
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Figure 4-9. Calibration results for total suspended sediment at Orestimba Creek (USGS station number 11274538). 
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Figure 4-10. Simulated vs. observed total suspended sediment concentrations at Orestimba 
Creek (USGS station number 11274538).  
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Figure 4-11. Calibration results for nitrate at Orestimba Creek (USGS station number 11274538). 
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Figure 4-12. Simulated vs. observed nitrate concentrations at Orestimba Creek (USGS station 
number 11274538).  
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Figure 4-13. Calibration results for nitrate at Vernalis (USGS station number 11303500).  
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Figure 4-14. Simulated vs. observed nitrate concentrations at Vernalis (USGS station number 
11303500).  
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Figure 4-15. Calibration results for chlorpyrifos at Orestimba Creek (USGS station number 11274538).   
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Figure 4-16. Simulated vs. observed chlorpyrifos concentrations at Orestimba Creek (USGS 
station number 11274538).  

.  
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Table 4-5. Model Errors for the Calibration Simulation. 

USGS Monitoring 

Station 
Parameter 

Relative Error 

(%) 

Absolute Error 

(%) 

Vernalis Flow 11 24 

Orestimba Creek Flow 40 59 

Vernalis Total Suspended 
Sediment 

-20 50 

Orestimba Creek Total Suspended 
Sediment 

-10 36 

Vernalis Nitrate 2 49 

Orestimba Creek Nitrate 5 50 

Orestimba Creek Chlorpyrifos -188 283 
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4.2.4 Model Validation 

The objective of model validation is testing the model on a data-set that has not been used 
for calibration. If the model performs in a similar manner as its calibration, that adds confidence 
that the model will perform well when simulating different management options. The end-point 
of the calibration simulation was used to establish the initial conditions of the validation 
simulation. The simulation period was from January 1, 2009 through December 31, 2010. The 
validation simulation was run using the same model coefficients as the calibration simulation. 
The green lines and points in Figure 4-6 through 4-16 represent the results for the validation 
simulation. The statistical measures of the validation simulation are presented in Table 4-6.   

Although the model validation was limited by the availability of the monitoring data sets, 
the performance of the validation simulation matched that of the calibration for flow, suspended 
sediment, nitrate, and chlorpyrifos and therefore was considered satisfactory (Fig. 4-6 to 4-16, 
Table 4-6).  
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Table 4-6. Model Errors for the Validation Simulation. 

USGS Monitoring 
Station Parameter Relative Error 

(%) 
Absolute Error 

(%) 

Vernalis Flow 11 24 

Orestimba Creek Flow 8 58 

Vernalis 
Total Suspended 

Sediment 
-20 50 

Orestimba Creek 
Total  Suspended  

Sediment 
-10 36 

Vernalis Nitrate 1 47 

Orestimba Creek Nitrate 29 55 

Orestimba Creek Chlorpyrifos -1 89 
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4.3 Results and Discussion 
For both nitrate and chlorpyrifos, Orestimba Creek Watershed was selected as a 

representative sub-region in the San Joaquin River basin, since Hospital Creek and Ingram Creek 
Watershed boundaries were not well defined in the model. Orestimba Creek has similar land use 
to the Hospital and Ingram Creek watershed, with similar chlorpyrifos application rates and it is 
also on the California 303(d) List for impairment by the organophosphate insecticides 
chlorpyrifos and diazinon (SWRCB 2011).  

4.3.1 Nitrate Simulations 

4.3.1.1 Scenario 1 for Nitrate 

To evaluate the effectiveness of wetlands as BMPs for nitrate removal in the region, a 
simulation was run with 1.8% of the agricultural land in the Orestimba Creek watershed area 
converted to a wetland (Fig 4-17). The physical properties of the modeled wetland portion are 
listed in Table 4-7. Tributary connections in the watershed were redefined to divert the flows 
from the subcatchments into the wetland and the wetland outflow back to the Orestimba Creek. 
The average first order nitrate removal rate 10 cm d-1 from Chapter 2 was used for the modeled 
wetland. The simulation for Scenario 1 was run from January 1, 2011 to January 31, 2012. To 
compare the results of Scenario 1 to the original conditions, a control simulation named “nitrate 
base scenario” was run for the same period using the conditions from the calibration simulation. 
The simulation results indicated a significant reduction in nitrate concentrations compared to the 
base scenario (Fig. 4-18). The base scenario had maximum nitrate concentrations of 18 mg L-1 
and 10 mg L-1 during two storm events (Fig. 4-18). The modeled wetland reduced these peak 
nitrate concentrations to 6 mg L-1 and 4 mg L-1 respectively (Fig. 4-18).  As mentioned in 
Chapter 1, nitrate concentrations above 2.0 mg L-1 can cause toxicity in a variety of freshwater 
organisms and total nitrogen concentrations greater than 0.5 mg L-1 in surface waters can result 
in large masses of nuisance algae (Biggs 2000, Camargo et al. 2005). In the base scenario, 91 % 
of the time, simulated nitrate concentrations exceeded 0.5 mg L-1, while 77 % of the time, nitrate 
concentrations exceeded 2.0 mg L-1. In Scenario 1, the modeled wetland was effective in 
removing nitrate with only 9% of the simulated nitrate concentrations exceeding 2.0 mg L-1, 
while 53% of the simulated nitrate concentrations were above 0.5 mg L-1 (Fig. 4-22).  

4.3.1.2 Scenario 2 for Nitrate 

To test the effect of increasing wetland area on nitrate removal rates, the area of the modeled 
wetland from Scenario 1 was increased to 9% of the agricultural land in the Orestimba Creek 
watershed. As expected, simulated nitrate concentrations significantly decreased as a result of 
increasing the wetland area (Fig. 4-19). In Nitrate Scenario 2, only 1% of the time, simulated 
nitrate concentrations exceeded 2.0 mg L-1, while 32% of the time, simulated nitrate 
concentrations exceeded 0.5 mg L-1 (Fig. 4-22). Moreover, increasing the wetland area further 
reduced the peak nitrate concentrations to 3 mg L-1 and 2 mg L-1, respectively (Fig. 4-19). After 
December 2011, the nitrate concentrations simulated in Scenario 2 were above the nitrate 
concentrations simulated in the base scenario and Scenario 1 for a short period of time. This 
appears to be due to the difference in flow regimes between the modeled wetlands. The big 
wetland had a different flow regime than the small wetland since a bigger portion of the 
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agricultural land was taken out of the production and was converted to marsh. The flow for the 
base scenario and Nitrate Scenario 1 decreased after December 2011 and approached to zero, 
causing the simulated nitrated concentrations approaching to zero. As a result, nitrate 
concentrations simulated in Scenario 2 appeared to be above the nitrate concentrations simulated 
in the base scenario and Scenario 1 for that period of time (Fig. 4-19). 
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Figure 4-17. Location of the modeled wetland (indicated with a dashed rectangle) within the Orestimba Creek watershed.  
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Table 4-7. Physical properties of the modeled wetland. 

Soil 
Layer 

Thickness 
(cm) 

Field 
Capacity 

(% by vol) 

Saturate 
Moisture 

(% by vol) 

Horizontal 
Conductivity 

(cm/d) 

Vertical 
Conductivity 

(cm/d) 

Root 
Distribution 

(%) 
1 35 0.24 0.75 5000 5000 75 

2 25 0.24 0.50 4000 4000 15 

3 20 0.2 0.30 500 500 10 

4 20 0.2 0.30 50 50 0 
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Figure 4-18. Comparison of Nitrate Scenario 1 (1.8% agricultural land converted to wetland) with the base scenario (no wetland).  



 

 

114 

 

Figure 4-19. Comparison of Nitrate Scenario 2 (9% agricultural land converted to wetland) with the base scenario (no wetland) and 
Nitrate Scenario 1 (1.8% agricultural land converted to wetland).  
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4.3.1.3 Scenario 3 for Nitrate 

To test the effect of reducing the amount of fertilizer application, the base scenario was run 
after reducing the nitrogen-based fertilizer applications by 30%. In Scenario 3, 36% of the 
simulated nitrate concentrations exceeded 2 mg L-1. This is a big improvement in comparison to 
the based scenario, where 77 % of the time, simulated nitrate concentrations exceeded 2.0 mg L-

1. However, there was no improvement in reducing nitrate concentrations to below 0.5 mg L-1 in 
Scenario 3, as 90% of the simulated nitrate concentrations exceeded 0.5 mg L-1, almost the same 
as in the base scenario (Fig. 4-22). The simulation results indicated that Scenario 3 was less 
effective in reducing nitrate concentrations compared to the Scenario 1 and Scenario 2 (Fig. 4-
20).  This indicates that 30% reduction in nitrogen-based fertilizer use alone may not be 
sufficient to reduce nitrate concentrations to below 0.5 mg L-1. 

4.3.1.4 Scenario 4 for Nitrate 

From a management perspective, it would be of interest to see the combined effect of two 
different best management practices, i.e., wetlands and fertilizer use reduction. For this purpose, 
Scenario 4 was run, which was a combination of Nitrate Scenario 1 (1.8% of agricultural land 
converted to wetland) and Nitrate Scenario 3 (30% fertilizer use reduction). In this scenario, only 
3% of the simulated nitrate concentrations exceeded 2 mg L-1, while 39% of the simulated nitrate 
concentrations exceeded 0.5 mg L-1 (Fig. 4-22). These concentrations were close to the nitrate 
concentrations observed in Nitrate Scenario 2 (9 % of agricultural land converted to wetland).  

A statistical comparison of the five nitrate scenarios is presented in Fig. 4-22. At a 
significance level of 0.05, the mean nitrate concentration values for the base scenario (2.9 mg L-

1), Nitrate Scenario 1 (0.8 mg L-1), Nitrate Scenario 2 (0.5 mg L-1) and Nitrate Scenario 3 (2 mg 
L-1) were significantly different from each other. However, the difference between the mean 
nitrate concentration values for Nitrate Scenario 2 (0.5 mg L-1) and Nitrate Scenario 4 (0.5 mg L-

1) was not statistically significant (Fig. 4-22). These results suggest that the combination of 
Nitrate Scenario 1 (1.8% of agricultural land converted to wetland) with Nitrate Scenario 3 (30% 
fertilizer use reduction) could potentially have a similar effect to Nitrate Scenario 2 (9% of 
agricultural land converted to wetland). 
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Figure 4-20. Comparison of Nitrate Scenario 3 (30% fertilizer use reduction, no wetland) with the base scenario (no wetland).  
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Figure 4-21. Comparison of Nitrate Scenario 1 (conversion of 1.8% of agricultural land to wetland) with Nitrate Scenario 4 
(conversion of 1.8% of agricultural land to wetland combined with 30% fertilizer use reduction). 
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Figure 4-22. Comparison of nitrate simulation scenarios (green lines represent the means; while quantiles are indicated by red lines). 
For Student’s t test, the overlapping circles are not significantly different from each other at a significance level of 0.05.
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4.3.2 Chlorpyrifos Simulations 

Results described in Chapter 3 suggested that wet-dry management would enhance 
biotransformation rates of organophosphate pesticides in wetlands. To evaluate the effect of 
different management conditions on the observed chlorpyrifos concentrations in the region’s 
surface waters, two simulation scenarios were run with the biotransformation rates obtained from 
Chapter 3. Chlorpyrifos concentrations that would be observed in the Orestimba Creek, a 
tributary of the San Joaquin River on the California 303(d) List for impairment by chlorpyrifos 
(SWRCB 2011), were simulated and compared to regulatory limits. 

4.3.2.1 Scenario 1 for Chlorpyrifos 

The CPF (chlorpyrifos) Scenario 1 represents a wet-dry management system that is expected 
to result in rapid transformation rates. In the model, water quality can only be simulated when 
there is flow. If there is no flow, water quality constituents are shown as zero. Hence, only the 
wet period following a dry period can be simulated in the model. To simulate the wet period, 
average chlorpyrifos transformation rates measured at the Hospital Creek site (0.3 d-1) 
representing the rapid transformation rates expected in wet-dry systems were used for soil and 
surface sediments (Chapter 3). The average hydrolysis rate used for the model input was 0.02 d-1, 
as calculated in Chapter 3. To compare the results of Scenario 1 to the original conditions, a 
control simulation named “CPF Base Scenario” was run for the same period using the conditions 
from the calibration simulation. For the base scenario, the average hydrolysis rate was kept the 
same, while average transformation rates measured at the San Joaquin River National Wildlife 
Refuge (SJRNWR) site (0.03 d-1)   (permanently flooded system, Chapter 3) were used for soil 
and surface sediments. The values of parameters used in chlorpyrifos simulations are listed in 
Table 4-8. Initial chlorpyrifos concentrations in surface water and bed sediments were adjusted 
during calibration, while the adsorption coefficient (Kads) was taken from previous studies 
(Rogers and Stringfellow 2009).  

Scenario 1 was run from January 1, 2011 to January 31, 2012. The simulation results 
indicated a significant reduction in chlorpyrifos concentrations compared to the base scenario 
(Fig 4-23). The base scenario had a maximum chlorpyrifos concentration of 0.17 µg L-1. In 
Scenario 1, this chlorpyrifos peak concentration decreased to 0.08 µg L-1 (Fig 4-23). As 
mentioned in Chapter 1, California Department of Fish and Game water quality criteria for 
protection of freshwater and aquatic life lists a threshold value for chronic chlorpyrifos toxicity 
(i.e., a concentration not to be exceeded for more than 4 d once every three years) of 0.02 µg L-1 
(de Vlaming et al. 2000). In the base scenario, 57 % of the simulated chlorpyrifos concentrations 
exceeded 0.02 µg L-1, while 36 % exceeded 0.02 µg L-1 in the Scenario 1 (Fig. 4-25). 
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Table 4-8. Values of the parameters used for chlorpyrifos simulations in Orestimba Creek 
watershed. 

 CPF Base Scenario CPF Scenario 1 

Hydrolysis rate, khyd 

(water) 
0.02 d-1 0.02 d-1 

Transformation rate, kdegsoil 

(soil) 
0.03 d-1 0.3 d-1 

Transformation rate, kdegsed 

(surface sediment) 
0.03 d-1 0.3 d-1 

Adsorption coefficient, Kads 300 L kg-1 300 L kg-1 

Initial conc. (surface water) 0.0001 µg L-1 0.0001 µg L-1 

Initial conc. (pore water) 0 0 

Initial conc. (bed sediment) 1 x 10 -5 µg kg-1 1 x 10 -5 µg kg-1 
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Figure 4-23. Comparison of CPF Scenario 1 (wet-dry management) with the CPF Base Scenario (permanently flooded conditions).   
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4.3.2.2 Scenario 2 for Chlorpyrifos 

To test the effect of chlorpyrifos use reduction on chlorpyrifos removal, CPF Scenario 2 was 
set up by reducing the chlorpyrifos applications by 30% in all subcatchments for the entire 
period. The rest of the conditions for the simulation were kept the same as the base scenario. The 
simulation results indicated that Scenario 2 was less effective in reducing chlorpyrifos 
concentrations compared to the Scenario 1 (Fig. 4-23). In Scenario 2, 45% of the simulated 
chlorpyrifos concentrations exceeded 0.02 µg L-1. A statistical comparison of the three 
simulation scenarios is presented in Fig 4-24. The results from Scenario 2 suggest that reducing 
chlorpyrifos application by 30% may not be sufficient to meet the regulatory limits for 
chlorpyrifos concentrations in surface waters in the region, and additional BMPs should be 
implemented together with the use reduction. 

4.3.2.3 Scenario 3 for Chlorpyrifos 

To test the combined effect of wet-dry management and chlorpyrifos use reduction on 
chlorpyrifos removal, Chlorpyrifos Scenario 3 was run, which was a combination of Scenario 1 
(rapid transformation of chlorpyrifos as a result of wet-dry management) and Scenario 2 (30% 
chlorpyrifos use reduction). As expected, this scenario had the best compliance with the 
regulatory limit (Fig. 4-25). In this scenario, 30% of the simulated chlorpyrifos concentrations 
exceeded 0.02 µg L-1 with a maximum chlorpyrifos concentration of 0.06 µg L-1 (Fig 4-26). A 
statistical comparison of the four chlorpyrifos scenarios is presented in Fig. 4-26. At a 
significance level of 0.05, the mean chlorpyrifos concentration values for the base scenario (0.04 
µg L-1), Scenario 1 (0.01 µg L-1), Scenario 2 (0.05 µg L-1) and Scenario 3 (0.02 µg L-1) were 
significantly different from each other.  
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Figure 4-24. Comparison of CPF Scenario 2 (30% chlorpyrifos use reduction) with the CPF Scenario 1 (rapid transformation of 
chlorpyrifos as a result of wet-dry management).   
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Figure 4-25. Comparison of CPF Scenario 1 (rapid transformation of chlorpyrifos as a result of wet-dry management) with the CPF 
Scenario 3 (rapid transformation of chlorpyrifos as a result of wet-dry management combined with use reduction). 
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Figure 4-26. Comparison of chlorpyrifos simulation scenarios (green lines represent the means; while quantiles are indicated by red 
lines). For Student’s t test, if there are overlapping circles, they are not significantly different from each other at a significance level of 
0.05.
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4.4 Conclusion 
WARMF is a powerful decision support system designed to support the watershed approach 

and TMDL calculation. WARMF model was calibrated and validated for the San Joaquin River 
Watershed and used to simulate the effect of different best management practices on mitigation 
of nitrate and chlorpyrifos in agricultural runoff. The kinetic parameters obtained from the 
previous chapters were used as input parameters in the simulations. The results of the nitrate 
simulations suggest that a wetland area about 1.8% of the agricultural land in the Orestimba 
Creek watershed could significantly reduce nitrate concentrations supporting our results from 
Chapter 2. Increasing the wetland area further to 9% of the agricultural land reduced almost all 
of the simulated concentrations below the 2.0 mg L-1 target; however, converting such an amount 
of agricultural land to wetlands may be unrealistic. As mentioned in Chapter 2, growers are 
reluctant to relinquish land from crop production, and accommodation between riparian wetland 
expansion and economic vitality must be reached. There are lower-value riparian areas within the 
levees defining the San Joaquin floodplain that are down gradient of the agricultural lands 
(Karpuzcu and Stringfellow 2012). Therefore, a wetland area corresponding to about 2% of the 
agricultural lands could be a reasonable and realistic approach in those lower-value riparian 
areas. According to the model’s predictions, if conversion of 2% of the agricultural lands to 
wetlands is combined with 30% fertilizer use reduction, a similar nitrate removal performance to 
a scenario, where 9% of the agricultural lands is converted to wetlands, could potentially be 
achieved. 

The results of the chlorpyrifos simulations underlined the importance of management 
strategies that could enhance chlorpyrifos biotransformation rates as described in Chapter 3. The 
CPF Scenario 1, which used enhanced chlorpyrifos biotransformation rates from wet-dry 
management strategy as model input, was predicted to be more effective at reducing chlorpyrifos 
concentrations below the regulatory limit (0.02 µg/l) compared to the CPF Scenario 2 (30% 
chlorpyrifos use reduction). From a management perspective of view, CPF Scenario 3 (rapid 
transformation of chlorpyrifos as a result of wet-dry management combined with 30% 
chlorpyrifos use reduction) provided the best results for chlorpyrifos mitigation, and use 
reduction should be implemented together with other best management practices if possible, 
especially in impaired surface waters. Given that it is not feasible to completely eliminate 
organophosphate pesticide use in agriculture under the present conditions, management 
strategies for enhanced organophosphate pesticide removal are of crucial importance to keep the 
organophosphate pesticide concentrations within the regulatory limits in surface waters. The 
proposed wetland wet-dry management cycle would not have a negative effect on the nitrate 
removal performance of the wetland since almost all of the nitrogen-based fertilizer applications 
occur between early Spring and Fall (Viers 2012). The wetland would have its dry period in 
winter and would be flooded again during the irrigation season, when it would receive most of its 
nitrate load. Some previous studies suggested that wet-dry management of wetlands can even 
have benefits in improving nutrient removal rates (Verhoeven and Meuleman 1999).  
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Chapter 5. Conclusions 
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5.1 Efficacy of wetlands for the mitigation of agricultural non-point 
source pollution  

The research described in this dissertation investigated the efficacy of wetlands for the 
mitigation of agricultural non-point source pollution. Nitrate removal kinetics was measured in 
field and laboratory microcosm studies. These data were then used to estimate wetland area 
requirements for the mitigation of nitrate pollution. Measurement of the chlorpyrifos 
biotransformation rates in wetlands and agricultural drains provided new insight into the 
potential for applying wetland management strategies to enhance organophosphate pesticide 
removal. In addition, kinetic parameters obtained in the laboratory studies were used to model 
agricultural non-point source pollution in California’s San Joaquin River (SJR) watershed using 
a previously developed software package. 

5.1.1 Determination of wetland land area requirements for nitrate removal in 
agricultural watersheds 

While a significant body of research exists concerning the treatment of urban stormwater 
and municipal wastewater effluents in treatment wetlands, the application of wetlands for the 
treatment of agricultural drainage water has not been well studied. The applicability of first-order 
kinetic relationships developed in systems treating municipal wastewater to the sizing of 
treatment wetlands in agricultural watersheds is problematic, given large differences in 
hydrologic regimes, influent water quality, and the potential treatment goals for treatment 
wetlands in agricultural watersheds. In California’s San Joaquin Valley, large uncertainty in the 
land requirements have been a major impediment to full-scale implementation of strategies 
employing constructed wetlands to mitigate nitrate releases from agricultural sources. This 
research was aimed at reducing this uncertainty through the application of field and microcosm 
studies. The results suggest that wetlands constructed for purposes of wildlife habitat can remove 
nitrate from irrigation return flows, but efficiencies are typically low, with nitrate mass removal 
efficiencies ranging from 23% to 35% in wetlands examined in this study. Modified areal first-
order removal rate constants (k) determined for field sites varied between 4.0 and 12.1 cm d-1. 
Microcosm studies were used to supplement field studies and to determine saturation kinetics 
which was practically impossible to measure in the field. The first order nitrate removal rate for 
the microcosm (12.97 cm d-1) was approximately equal to the observed k-value from Ramona 
Lake, the source of the sediments used in the microcosm, suggesting the value of microcosms for 
estimating nitrate removal rates in wetlands. Measurement of saturation kinetics in the 
microcosm system showed that the apparent half-saturation constant (Km) and maximum 
removal rate (Jmax) were 43.8 mg L-1 and 4.1 g m-2 d-1 respectively, for these sediments. 
Estimations of nitrate removal kinetics from field and laboratory studies were in close 
agreement, allowing the calculation of land area requirements for treatment wetlands in 
agricultural watersheds. Estimates of land requirements for wetlands in one agricultural 
watershed indicated that less than 3 % of the watershed area would need to be devoted to 
wetlands to achieve an effluent nitrate concentration of 0.5 mg L-1, the target value for limiting 
the growth of nuisance algae.  
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5.1.2 Wetland management strategies for the biotransformation of 
organophosphate pesticides  

While several prior studies evaluated the effectiveness of different best management 
practices (BMPs) for chlorpyrifos mitigation, these studies have mostly focused on sorption of 
chlorpyrifos to wetland sediments and soils with removal efficiency assessed by measuring inlet 
and outlet concentrations. To assess the long-term performance of wetlands, it is also important 
to know the ultimate fate of chlorpyrifos in wetland sediments. Specifically, particle-associated 
pesticides stored in the sediments can be transported via runoff and other processes to surface 
water systems. Three different phosphoesterase enzymes; phosphomonoesterase, 
phosphodiesterase and phosphotriesterase, are involved in chlorpyrifos biotransformation 
pathway; however, the link between these enzymes and chlorpyrifos biotransformation rates had 
not been previously addressed. The research presented in this dissertation demonstrated that 
wetland sites showed temporal and spatial variation in observed chlorpyrifos biotransformation 
rates, with half-lives ranging from 1 to 35 days under aerobic conditions. Faster degradation rates 
were observed in agricultural drains relative to the wetlands. Sediments from Hospital Creek, the 
site with highest chlorpyrifos degradation capacity, were incubated under anaerobic conditions to 
investigate the effect of redox conditions on the chlorpyrifos transformation rates. Chlorpyrifos 
transformation slowed significantly under anaerobic conditions, with a half-life of approximately 
92 days. Biodegradation rates decreased significantly in sediments from the Hospital Creek site 
during 2011 due to flooded conditions that preceded sample collection. These results suggest that 
allowing a wet-dry cycle can enhance the transformation rates of an organophosphate insecticide 
in these systems by providing aerobic conditions in sediments. The proposed wet-dry cycle 
period would be similar to practices used in agricultural drains in the region. The dry phase 
would encompass the non-irrigation season in late fall and winter, and the wetland would be 
flooded again in spring and summer when the irrigation season begins. This management 
strategy would not have a negative effect on the nitrate removal performance of the wetland 
since almost all of the nitrogen-based fertilizer applications occur between early spring and fall 
and the wetland would receive most of its nitrate load during the irrigation season. There was 
significant correlation between phosphotriesterase activity and the chlorpyrifos 
biotransformation rates, with this relationship varying among sites. Phosphotriesterase activities 
may be useful as an indicator of biodegradation potential with reference to the previously 
established site-specific correlations.   

5.1.3 Modeling agricultural non-point source pollution in SJR watershed 

WARMF is a powerful decision-support system designed for watershed management. 
WARMF model was calibrated and validated for the San Joaquin River Watershed and used to 
simulate the effect of different best management practices on mitigation of nitrate and 
chlorpyrifos in agricultural runoff. The calibration errors were high at some monitoring stations 
for some parameters, and there is certainly room for improvement how the model calculates 
some water quality parameters, however, a deeper analysis of the model calibration and fine-
tuning of the entire model was beyond the scope of this study.   

The kinetic parameters obtained from the previous chapters were used as input parameters in 
the simulations. The results of the nitrate simulations suggest that a wetland area about 1.8% of 
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the agricultural land in the Orestimba Creek watershed could significantly reduce nitrate 
concentrations supporting our results from Chapter 2. 

The results of the chlorpyrifos simulations underlined the importance of the management 
strategies to enhance the biotransformation rates. The scenario using enhanced biotransformation 
rates was more effective at reducing chlorpyrifos concentrations to values below regulatory 
limits compared to the 30% chlorpyrifos use reduction scenario. From a management perspective 
of view, use reduction should be implemented together with other best management practices if 
possible, especially in impaired surface waters.  Given the difficulty with completely eliminating 
organophosphate pesticide use in agriculture under present conditions, management strategies for 
enhanced organophosphate pesticide removal are of crucial importance in efforts to keep the 
organophosphate pesticide concentrations within regulatory limits.  

5.2 Future Research 
This research provided the land area requirements for wetlands to reduce nitrate 

concentrations below the regulatory target limits in agricultural regions. The results were 
supported by the WARMF model simulations; however, pilot-scale studies would be useful to 
determine if integration of constructed wetlands in agricultural watersheds can reduce nitrate 
concentrations to the desired levels. Stringfellow et al. (2009) identified a potential riparian 
corridor along the San Joaquin River that would traverse Stanislaus County and connect the 
northern and southern wetland areas. In Stanislaus County, there are 241 different parcels within 
the potential riparian corridor land owned by 136 different parties. The total area of these parcels 
is 301.2 km2, with 44.4% of this land area falling within the potential riparian corridor 
(Stringfellow et al., 2009). The majority of the parcels (57.9%) and the highest percent of land 
area (44.3%) are privately owned. Assessment values of private lands in this area are by far the 
highest averaging $3,246,071 per km2, while public lands averaged $484,496 per km2, and land 
owned by corporations had an average assessment value of $924,432 per km2 (Stringfellow et 
al., 2009). The total assessed land value of the parcels affected by the PRC is $35,070,719 
(Stringfellow 2009). The California Land Conservation Act (CLCA) started in 1965, more 
commonly known as the Williamson Act, protects 56.2% of the land within the potential riparian 
corridor from urban development. Properties affected by this Act have entered into voluntary 10 
to 20 year contracts with a local government to preserve their property for agricultural or related 
open space use, such as ranching.  Land owners benefit from significant property tax breaks 
ranging from 20-75%.  Instead of being taxed on the market value of their property, landowners 
are instead taxed on the agricultural value of the property.  Many farmers could not afford to 
keep their land without this act (State of California, Department of Conservation, 2010). Local 
governments are repaid by the state the value of the property taxes they are giving up under the 
Open Space Subvention Act (OSSA) of 1971.  In the 2007-2008 fiscal year, the state paid local 
agencies $38 million under the OSSA (State of California, Department of Conservation, 2010). 
About 68,400 km2, more than half of the state’s farm and ranch land are currently protected 
under this act (State of California, Department of Conservation, 2010). In an amendment made 
on July 17, 2008 “Open space” also includes “wildlife habitat areas” as determined by a local 
board or council in consultations with recommendations from the DFG as an area being “of great 
importance for the protection or enhancement of the wildlife resources of the state”.  This 
amendment also includes land use that is used for commercial solar evaporation of seawater and 
to preserve a land that would provide public benefit through its natural characteristics, beauty, or 
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openness (State of California, Department of Conservation, 2010). At this time, it is unclear if 
land protected under the Williamson Act for agricultural purposes could be converted into land 
protected for wildlife habitat without breaking the contract and this case should be investigated. 

While this research demonstrated the importance of microbial degradation for the mitigation 
of organophosphate pesticides in wetland sediments, there is a need for further research to relate 
microbial community composition and diversity to the biotransformation rates in wetland 
systems. An understanding of these communities and their relationship to chlorpyrifos 
transformation could be useful in predicting the effect of redox and hydrologic conditions at 
different wetland sites, since the community structure may be closely related to flooding regimes 
and exposure history of the sediments in these systems.  

The role that vegetation plays on pesticide biotransformation in wetlands is another research 
area that needs investigation. Some previous studies demonstrated that the presence of vegetation 
can reduce pesticide toxicity compared to unvegetated systems (Bouldin et al. 2005). The 
rhizosphere of aquatic plants may favor pesticide biotransformation by hosting larger microbial 
populations stimulated by root exudates, better availability of oxygen, and nutrient conditions. 
Different structure and chemical properties of different pesticides and the co-occurrence of these 
compounds may require diverse macrophyte communities to mitigate the impacts of pesticide 
exposure. Biotransformation studies on biofilms and plant material from different aquatic plant 
communities could provide further insight into the importance of vegetation structure in 
wetlands. 

Another factor that might play an important role in the biotransformation of 
organophosphate insecticides in wetlands is the co-occurrence and interactions of these 
compounds with other pesticides. Some previous studies have suggested that the toxicity of 
organophosphate insecticides increase when they are present in mixtures with other pesticides 
(Anderson and Lydy 2002). Recently, the interaction between organophosphate insecticides and 
increasingly used pyrethroids has been also subject to interest (Choi et al. 2004, Bielza et al. 
2007). Choi et al. (2004) showed that chlorpyrifos-oxon, a toxic metabolite of chlorpyrifos, 
exhibited non-competitive inhibition kinetics towards trans-permethrin. Further research is 
needed to quantify the effects of co-occurrence of organophosphate insecticides with other 
commonly used agricultural pesticides on the biotransformation rates of these compounds in 
wetlands. 
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