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ABSTRACT OF THE DISSERTATION 

 

 

Electrochemical Detection and Removal of Heavy Metals in Water 

by 

 

Shengcun Ma 

Doctor of Philosophy in Civil Engineering 

University of California, Los Angeles, 2022 

Professor David Jassby, Chair 

 

Measurements of heavy metal concentrations in municipal wastewater (MWW) are currently 

performed by obtaining a grab-sample of water, followed by analysis using inductively coupled 

plasma – mass spectrometry (ICP-MS) or atomic absorption spectroscopy. However, these 

methods require expensive instruments and dedicated technicians, which are not typically on-site. 

Therefore, several rapid heavy metal detection techniques have been developed. However, these 

methods require the metals to be in their free forms to achieve reasonable results. Unfortunately, 

metals in complex water streams are generally not in their free forms. Therefore, we firstly 

systematically investigated the evolution of Pb(II), As(III), and Cd(II) throughout the wastewater 

treatment train (WWTT) in terms of the size fraction these metals were found in, as well as the 

metal’s partitioning behaviors. Cd(II) was found to be highly mobile, with the fraction of dissolved 

Cd(II) gradually increasing throughout the WWTT. As(III) was also highly mobile, with its size 

distribution and partitioning remaining largely steady, except when FeCl3 was used as a 

flocculation agent, which led to formations of arsenic/iron complexes. However, Pb(II) was found 

primarily in complex forms or adsorbed onto inorganic particulates. The WWTT had little impact 
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on the size and partitioning of Pb, except that the formation of the Pb/iron complex occurred after 

flocculation with FeCl3. An increase of water hardness slightly increased the metals in the 

dissolved fraction. These results provided insightful information on the evolution of size and 

partition distribution of metals during the wastewater treatment train.  

 

Based on these results, we developed processing methods that enable the detection of Pb(II) and 

Cd(II) using anodic stripping voltammetry. We found that vacuum ultraviolet (VUV)/H2O2 could 

release Cd from its complex, and strong acid could release Pb(II). Pb(II) and Cd(II) are then 

accurately detected and quantified using anodic stripping voltammetry by utilizing a bismuth 

subcarbonate/reduced graphene oxide nanocomposite incorporated in a Nafion matrix electrode. 

Detection results were benchmarked against state-of-the-art metal detection methods, and were 

found to be highly accurate (>88%).  

 

Lastly, we fabricated electrically conductive membranes that could effectively reject As(III) due 

to As(III)’s high mobility. Applying cathodic potentials significantly increased As(III) rejections 

in synthetic/real tap water, a result of locally elevated pH that is brought upon through water 

electrolysis at the membrane/water interface. The elevated pH conditions convert H3ASO3 to 

H2AsO3
-/HAsO3

2- that are rejected by the negatively charged membranes. In addition, it was found 

that Mg(OH)2 that precipitates on the membrane can further trap arsenic. Importantly, almost all 

As(III) passing through the membranes is oxidized to As(V) by hydrogen peroxide produced on 

the cathode, which significantly decreased its overall toxicity and mobility. Although the high pH 

along the membrane surface led to mineral scaling, the fouling could be partially removed by 

backwashing the membrane.  
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Chapter 1: Introduction 

1.1 Water scarcity and heavy metals 

Water scarcity poses serious challenges for society, including a drop in electricity production[1] 

and a negative impact on agriculture-based economies.[2] Further, climate change, the daunting 

task facing the society, aggravates this water scarcity challenge. This challenge calls for 

alternative/untraditional water sources,[1] and a promising alternative water source is municipal 

wastewater (MWW), due to its widespread availability and relatively uniform quality.[1] However, 

the use of MWW in cooling or irrigation activities presents several problems, including heavy 

metal pollution and corrosion.[2] Heavy metals are metal elements that have high atomic weight 

and have density 5 times more than water,[3] including lead (Pb), cadmium (Cd), arsenic(As), 

Zinc(Zn), silver(Ag), copper(Cu), iron(Fe), chromium (Cr), nickel (Ni) and so on. Even trace 

concentration (e.g., µg/L) of these metals may have toxic effects on humans. For example, their 

exposure leads to carcinogenic and neurological adverse effects to humans upon exposure.[4] 

These metals are found in natural waters due to natural process, such as wild forest fire,[5] 

weathering[6] and volcanic eruptions,[7] and anthropic activities, including mining, electroplating, 

and other industrial productions. Heavy metals are prone to accumulate in living organisms due to 

their relative stability in natural environments.[8] Therefore, extensive efforts have been put to 

measure and control heavy metals.  

1.2 The measurement of heavy metals in water  

The monitoring of heavy metal concentrations in MWW is currently performed by obtaining a 

grab-sample of water, followed by analysis using inductively coupled plasma – mass spectrometry 

(ICP-MS), inductively coupled plasma – optical emission spectrometry (ICP-OES) and atomic 

absorption spectroscopy(AAS).[9] Both ICP based methods and AAS based methods have very 
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high sensitivity (i.e., µg/L level metals). ICP based measurement techniques could measure 

multiple elements at the same time, while AAS could only measure one element once, which is 

the major reason why many labs choose ICP based methods.[10] In ICP-MS or ICP-OES processes, 

ICP is used to produce very high temperature and ionize the elements. The interferences can be 

classified as spectroscopic interferences and non-spectroscopic interferences.[10] The 

spectroscopic interferences might be caused by isobaric elements, double charged interference, 

polyatomic interference, and tailing interference.[10]  These spectroscopic interferences could be 

reduced by sample pretreating, matrix removal, isotope selection, optimization of instrument 

settings, gas reaction, and so on.[10] The non-spectroscopic interferences would come from matrix 

effects and instrument drift.[10] Non-spectroscopic interferences could be overcame by dilution 

and matrix analyte separation.[10] However, they are often expensive and labor-intensive, 

requiring a dedicated technical staff to perform analysis in specialized laboratories. These methods 

also suffer from sampling difficulties caused by lengthy processing and measurement times.  

 

As a result, facile, rapid, and sensitive methods suitable for field applications are necessary. Many 

facile ion-target detection methods, including electrochemical methods,[11] colorimetric 

sensors,[12] biosensors,[13] and optical nano-sensors,[14] have been developed to measure metals 

in water. These sensors eliminate the requirements of dedicated instruments, and importantly, 

dedicated professional technicians are not required with advanced automation. These advantages 

make these sensors appropriate for in-situ and frequent measurements.[15] Electrochemical 

methods have attracted a lot of research interests, as it is easy to automate the electrochemical 

measurement process and the device is easy to be miniaturized. Anodic stripping voltammetry 

(ASV) is a typical electrochemistry based technique that could rapidly measure µg/L heavy 
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metals.[16] There are three steps when we use ASV to measure heavy metal ions.[16] Firstly, we 

have a positive potential applied on the working electrode to oxidize possible pollutants on the 

working electrode. Secondly, we would apply a negative potential on the working electrode to 

precipitate metal ions on the working electrode to concentrate the metals, which is why we call 

this step as “concentration step”. Finally, we will apply a positive sweeping potential on the 

working electrode, and the current will be registered during the potential sweeping process. From 

the current and the potential where the current is recorded, we could calculate the concentrations 

of heavy metals in aqueous solutions. Colorimetric sensors are widely investigated due to its 

convenient color change visible to naked eyes.[12] Accurate quantifications of metals via 

colorimetric methods can also be achieved by UV/VIS spectroscopy,[17] which is cost-effective. 

Many colorimetric nano particle sensors are based on color change caused by aggregations of 

nanoparticles. For example, the aggregation of gold nanoparticles will change color from red to 

purple or blue.[18] These aggregations are caused by the interactions between target metal ions 

and specific functional groups.[12] Similarly, biosensor takes an advantage of binding capacities 

of proteins, bacteria, yeasts, fungi, and some plants.[13] These biosensors are sensitive to 

environmental conditions, such as temperature, pH and ionic strength, especially for bacteria-

based and fungi-based biosensors.[13] The mechanism of detecting metal ions with optical sensor 

also relies on the absorption of metal ions by optical sensor materials (e.g., two dimensional 

nanosheets).[14]  

 

It is noted that above-mentioned rapid heavy metal measurement methods are designed to measure 

free heavy metals (i.e., metals that have few interactions with other compounds in water). However, 

it is well known that various compounds, such as inorganic particles and organic molecules, in the 
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water streams would complex or adsorb metal ions,[19] making metal ions invisible for methods 

targeting free heavy metals. For example, some studies have taken advantage of this limitation to 

differentiate between free metals, which could be detected via ASV, and non-free metals, which 

are not detected.[20] Therefore, to evaluate the effectiveness of emerging technologies on the 

heavy metal detections and improve their effectiveness, it is important to investigate the fate of 

heavy metals in aqueous solutions, especially in complex streams (e.g., MWW). This information 

is important for us to develop effective technologies to remove heavy metals or to develop 

appropriate pretreatment processes that could make heavy metals visible for rapid measurement in 

complex streams. 

 

1.3 The removal of heavy metals in water 

Various engineering methods, including chemical precipitations, ion exchange, flocculation and 

coagulation, adsorption, electrochemical technology, and membrane filtration, have been 

employed to remove heavy metals in water.[21] The heavy metal removal performances of each 

technology depend on the metal type, metal species, its initial concentration, water matrix, and 

environmental conditions (e.g., pH, temperature and so on).[21] Hydroxide chemicals, sulfide 

chemicals, and chelating chemicals are most common chemicals for heavy metal precipitations. 

For hydroxide precipitations, different metals require different pH, and some hydroxide 

precipitations are amphoteric,[21] meaning that it is hard to find one-size-fits-all pH. Sulfide 

precipitations work well in low pH, however, the risk of forming toxic H2S gases cannot be 

ignored.[21] Researchers are still actively developing novel chelating chemicals.[21] 
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Ion exchange methods has been widely used to remove heavy metals. In this process, heavy metals 

would be removed by replacing protons of functional groups (e.g., carboxylic or sulfonic groups) 

in the ion-exchange resins.[21] It is noted that ion exchange process is only used in relatively small 

scale due to its high cost.[21] In addition, the regeneration of ion exchange resins may cause 

secondary pollutions.[21]  

 

Flocculation and coagulation are widely used in conventional wastewater treatment plants due to 

its relatively easy operation and low cost.[21]  It is noted that it is hard for this process alone to 

achieve complete metal removal.[21] As a result, this process is  sometimes combined with other 

technology to achieve complete metal removal. Also, the sludge produced from this process 

requires appropriate treatment.  

 

Adsorption is also widely used to remove heavy metals. The most widely investigated adsorbent 

is activated carbon, which could effectively remove metals because activated carbon has a 

relatively large surface area. To further decrease the cost of adsorption, researchers are actively 

exploring more cost-effective adsorbents, such as kaolinite, agriculture wastes, and plant wastes. 

[21] Electrochemical technology is very versatile in water treatment, including electrodeposition, 

electrocoagulation, electro-oxidization, and electro-reduction.[22] Electrodeposition has been 

used to recover heavy metals in wastewater [23] because the metal ions would be reduced into 

elemental metals (i.e., zero-valent metals) on the cathode in this process. The deposited metals on 

the cathode could be scraped and recovered.[23]  Electrocoagulation is a technique that produces 

coagulants in site with an iron or aluminum electrode as an anode.[24] Electro-oxidation would 

oxidize the elementary metal anode to coagulants (e.g., metal ions), and these coagulants would 
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form flocs that could adsorb pollutants.[24] These flocs will be removed via sedimentations. Also, 

electrochemical methods are used as pretreatment following other metal removal techniques. For 

example, arsenite (i.e., As(III)) would be electro-oxidized to arsenate (i.e., As(V))[25] before it is 

removed.   

 

Membrane technologies are widely used in water treatments.[26] Electrodialysis is a typical 

electrical field driven membrane process, where ion exchange membranes are used. Ion exchange 

membranes are classified as cation exchange membranes and anion exchange membranes.[27] 

Cation exchange membranes are preferentially permeable to cations while they would reject anions 

because cation exchange membranes have high negative charge densities. Similarly, anion 

exchange membranes are preferentially permeable to anions while they would reject cations 

because of high positive charge densities inside the membrane pores.[27] Pressure-driven 

membrane processes can be classified as microfiltration membranes, ultrafiltration membranes, 

nanofiltration membranes, and reverse osmosis membranes based on the pore size of 

membranes.[28] Reverse osmosis and nanofiltration membranes are “non-porous” membranes.[29] 

Heavy metal rejections from nanofiltration or reverse osmosis membranes could be ascribed to 

Donnan exclusion, size exclusion, and dielectric exclusion.[30] Donnan exclusion is based on the 

charge, while size exclusion is based on the size.[30]  Microfiltration membranes and ultrafiltration 

membranes are porous membranes that generally could not effectively reject heavy metal ions 

because of their relatively large pore size.[21] However, the large pore size of microfiltration and 

ultrafiltration membranes determines that lower energy is required compared to reverse osmosis 

or nanofiltration membrane processes. Researchers found that bounding heavy metals with humic 

acid, coagulants or other inorganic particles could enhance the MF or UF membranes’ rejections 
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on them, as the complexation/bouding/adsorption caused an increase of “apparent” metal ions’ 

size.[31]  

 

It is noted that metal species plays an important role in the removal of heavy metals. Arsenic is a 

typical example. Arsenic occurs in various oxidation states, including arsine (As3-), elemental 

arsenic (As0), arsenite (As(III)), and arsenate (As(V)),[32] and the toxicity of arsenic varies with 

arsenic speciation. As(III) is the most toxic species, and is thermodynamically favorable in reduced 

redox environment;[32] As(V) is the less toxic species, and is the predominant species in 

oxygenated environments.[33] Generally speaking, As(V) is much easier to be removed than 

As(III) because As(III) is more mobile than As(V) due to high pKa of As(III). As a result, 

engineers usually oxidized As(III) to As(V) before As(III) is removed.  

 

In this dissertation, we firstly investigated the fate of three typical heavy metals (i.e., the evolution 

of metal size and partitioning of lead, cadmium, and arsenic) throughout the wastewater treatment 

train. Based on the fate information, we developed appropriate pretreatment processes to make 

metals in complex water stream available for ASV detection. Finally, we have fabricated 

electrically conducting membranes that could effectively reject As(III).  
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Chapter 2: The Evolution of Metal Size and Partitioning 

Throughout the Wastewater Treatment Train 

2.1 Introduction  

Water scarcity poses serious challenges for society, including a drop in electricity production[34] 

and a negative impact on agriculture-based economies.[35] These challenges call for alternative 

water sources. A promising alternative water source is municipal wastewater (MWW), due to its 

widespread availability and relatively uniform quality.[1] However, the use of MWW in cooling 

or irrigation activities presents several problems, including heavy metal pollution and corrosion.[2] 

Heavy metal exposure leads to carcinogenic and neurological adverse effects to humans upon 

exposure.[4] Lead (Pb), cadmium (Cd), and arsenite (As(III)) are among the most common of these 

contaminants. In addition, other metals such as mercury and chromium are also very important 

and deserve to be studied. 

 

The monitoring of heavy metal concentrations in MWW is currently performed by obtaining a 

grab-sample of water, followed by analysis using inductively coupled plasma – mass spectrometry 

(ICP-MS) or atomic absorption spectroscopy.[9] However, these methods require expensive 

equipment and highly-trained technicians, that are not typically on-site. Therefore, several rapid 

heavy metal detection techniques have been developed.[36] However, these methods require the 

metals to be in their ionic form to achieve reasonable results.[37, 38] Therefore, information about 

heavy metal partitioning in MWW is critical to evaluate the feasibility of emerging heavy metal 
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detection methods. In addition to detection, understanding the behavior of heavy metals in 

wastewater will enable a systematic approach towards designing processes for their removal.[19]  

 

Previous studies only fractionated metals with 0.45 m filters, which limits our understanding of 

the evolution of metals during the wastewater treatment process.[19] More recently, studies 

classified substances that could pass through 0.45 m filters and 1 kDa membranes as colloidal 

and dissolved, respectively.[19, 39] However, these studies only investigated metal size 

distribution in specific effluents (e.g., coagulant effluent and tertiary effluent).[19, 39] Although 

some studies have sporadically investigated the evolution of metal size distribution in a trickling 

filter treatment plant,[40] the evolution of metal size throughout the activated sludge process, 

which is the most widely applied wastewater treatment method, has not been systematically 

investigated. Besides, to the best of our knowledge, little information is available regarding the 

evolution of heavy metal partitioning during the different stages of the wastewater treatment 

process, which is important to the development of metal detection and metal removal techniques. 

 

This study systematically investigated the evolution of Pb, As(III), and Cd throughout the 

wastewater treatment train (WWTT) in terms of the size fraction these metals were found in, as 

well as the metal’s partitioning behavior. The metals’ behavior was investigated in both synthetic 

and real MWW samples. Besides, the impacts of water hardness on size and partitioning were 

investigated. The results of this study shed light on where these metals are found throughout the 

WWTT, which can help stakeholders decide on appropriate treatment processes when considering 

wastewater reuse.  
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2.2 Materials and methods  

2.2.1 Raw water preparation and chemicals 

Hydrogen peroxide (Fisher Scientific Optima grade) and nitric acid (Fisher Scientific Optima 

grade) were purchased from Fisher. Deionized (DI) water was used to prepare synthetic 

wastewater and the recipe was modified from Yoo et al.[41] and is shown in Table S2.1. All 

chemicals in this table, except for humic acid sodium salt (Technical grade, Sigma-Aldrich), were 

ACS reagent grade and were purchased from Fisher. Lead nitrate (ACS grade, ACROS), cadmium 

nitrate tetrahydrate (Puratronic, Alfa Aesar), sodium (meta) arsenite (Sigma Aldrich), and sodium 

hydrogen arsenate heptahydrate (ACS grade, Alfa Aesar) were used as heavy metals. After adding 

the heavy metals, the synthetic raw wastewater was shaken for 12 h at 25 ℃ and 80 RPM before 

being used.[42]. Our experiments confirmed that there were few interactions between the three 

heavy metal species (Figure S2.1) because their concentrations were very low (i.e., g/L level). 

Therefore, all experiments were performed with solutions containing all three metals at the same 

time.  

2.2.2 Characterization of metal distribution  

Size fractionation of metal-containing particulates was achieved by firstly filtering water samples 

through a 0.45 µm nylon membrane (Whatman, GE Healthcare); metal-containing particulates 

trapped by the membrane were classified as the particulate fraction. Water passing through the 

0.45 µm membrane was then filtered again by a tighter membrane (5 kDa polyethersulfone 

ultrafiltration membrane, Synder Filtration, Vacaville, CA). Metal-containing particles trapped by 

this membrane were classified as the colloidal fraction. Metals found in the permeate of the 5 kDa 

membranes were classified as the dissolved fraction, as suggested by previous research.[19] A 

modified extraction method[43, 44] was used to sequentially extract metals from the colloidal 
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fraction. Although this method has been primarily used to extract cationic metals (e.g., Cd, Co, Cu, 

Ni, Pb, Zn, Fe, and Mn), Azcue et al. suggested that this method also works well for As.[45] In 

our study, 750 mL permeate from the 0.45 µm membranes was evaporated to approximately 30 

mL using a rotary evaporator (model: N-1110, EYELA), with the water bath set to 60 ℃. This 30 

mL sample was then transferred to polypropylene centrifuge tubes and dried in an oven at 60 ℃. 

To identify the partitioning of heavy metals in the dry residue, the following steps were performed 

sequentially:  

1) Ionic fraction: 8 mL of 1 M MgCl2 was added to the solids and allowed to stir for 1 h at 25 ℃. 

The sample was then centrifuged at 14000 RPM at a temperature of -4 ℃ (the actual temperature 

of the solution was higher than the freezing point of water) for 15 min. The supernatant was stored 

at 4 ℃ for analysis, and the pellet was further extracted in step 2. 

2) Metals bound to carbonate: 8 mL of 1 M sodium acetic acid (pH = 5) was used to extract the 

pellet from step 1 for 6 h at 25 ℃ with continual stirring. After that, the solution was centrifuged 

as described in step 1. The supernatant was stored at 4 ℃ for analysis, and the pellet was further 

extracted in step 3. 

3) Metals bound to iron and manganese oxides: 8 mL of 0.04 M hydroxylamine hydrochloride 

dissolved in 25% acetic acid (v/v) was used to extract the pellet from step 2 for 6 h at 96 ℃ with 

continual stirring. Next, the solution was centrifuged as described in step 1. The supernatant was 

stored at 4 ℃ for analysis, and the pellet was further processed in step 4. 

4) Metals bound to natural organic matter (NOM): 2 ml of 0.02 M nitric acid and 3 ml of 30% 

H2O2（pH = 2, adjusted with nitric acid) were used to extract the pellet from step 3 for 2 h at 85 ℃ 

with continual stirring. Then, 3 ml of 30% H2O2（pH = 2, adjusted with nitric acid) was added, 

and the solution was extracted for another 3 h. Then 3 ml of 3.2 M ammonium acetate dissolved 
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in 20% nitric acid (v/v) was added to the solution and was stirred for an additional 0.5 h at 25 ℃. 

The solution was then centrifuged as described in step 1. The supernatant was stored at 4 ℃ for 

analysis. 

5) Metals in residue: The pellet from step 4 was digested with 10 mL aqua regia at 120 ℃ for 2 h 

with continual stirring. 

2.2.3 Flocculation/sedimentation treatment  

To simulate the flocculation process, 240 mg/L of FeCl3 (ACS reagent, Fisher Scientific) was used 

to induce sweep flocculation of the synthetic raw wastewater. The optimum dose was found 

through a jar test (data not shown). After adding FeCl3, synthetic raw wastewater was mixed at a 

high speed of 300 RPM at 25 ℃ for 1 min. Next, the solution was mixed at a low speed of 32 RPM 

at 25 ℃ for 30 mins. After 30 mins, the solution was allowed to settle for 1 h and decanted. The 

decanted supernatant was stored at 4 ℃ for analysis, while the primary sludge was dried at 60 ℃ 

and extracted using the sequential extraction method. 

2.2.4 Activated sludge treatment   

To simulate conditions during the second stage of wastewater treatment (secondary treatment), 

synthetic raw wastewater was treated in a sequential batch reactor (SBR). The reactor had a 

working volume of 3 L and was fitted with a stirrer. 0.6 L of sludge from the Hyperion wastewater 

treatment plant was used to inoculate the reactor. Dissolved oxygen was supplied with an airflow 

of 30 L/min to the reactor with an air pump (Vivosun inc.). The SBR was operated using a four-

phase cycle: 1) The feed stage (0.5 h) where raw synthetic wastewater was added; 2) The aerobic 

digestion stage (5.5 h) with air aeration and stirring; 3) The settling stage (1.5 h) with no stirring 

or aeration; 4) The decanting stage (0.5 h) where 684 mL of the reactor supernatant was removed. 

The SBR cycles were controlled through a programmable logic controller (ChronTrol Corp, San 
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Diego, CA). 200 mL suspension was wasted daily during the aerobic digestion stage to maintain a 

solids residence time of 15 days. This wasted suspension was centrifuged to obtain sludge samples. 

These sludge samples were first dried and homogenized with a glass mortar before they underwent 

extraction using the sequential extraction method (Section 2.3).  

 

2.2.5 Real wastewater samples 

Raw wastewater and primary effluent samples were obtained from the Hyperion wastewater 

treatment plant, while secondary and tertiary effluent samples were obtained from the West Basin 

Municipal Water District in Southern California. Although these samples were collected from two 

plants, the Basin Municipal Water District purchases secondary effluent from the Hyperion 

wastewater plant and further treats the secondary effluent to produce tertiary effluent. As a result, 

it is reasonable to use these samples to represent the whole WWTT. All wastewater samples were 

kept at 4 ℃ before use. It is worth noting that tertiary treatment here is chemically enhanced 

filtration, which consists of coagulant addition (FeCl3), and rapid sand filtration. The 

characteristics of the wastewater samples and synthetic wastewater samples are listed in Table 2.1. 

Heavy metal concentrations in the real wastewater samples were lower than the limit of detection 

of the ICP-MS (i.e., 8 ppt Pb, 18 ppt Cd, and 53 ppt As(III)). To facilitate our experiments, we 

spiked Pb, Cd, and As(III) into these samples at concentrations identical to the synthetic 

wastewater samples (i.e., 12.5 ppb Pb, 3.5 ppb Cd, and 750 ppb As(III)). These concentrations are 

typical in MWW, and similar concentrations are reported in other studies. [46-48] It is reasonable 

to assume that the water quality of real wastewater samples wasn’t significantly influenced by the 

addition of metals because only trace metals were added. After spiking, the wastewater samples 

were shaken for 12 h at 25 ℃ before being used in experiments.  
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2.2.6 Analytical method 

Total organic carbon (TOC) was analyzed with a TOC analyzer (Shimadzu TOC-LCSN). Cd, Pb, 

and As(III) concentrations were analyzed using ICP-MS (PerkinElmer NexION 2000). The 

differentiation between arsenate and arsenite was achieved by combining high-performance liquid 

chromatography (HPLC) (Altus, PerkinElmer) with ICP-MS.   

2.2.7 Quality control  

Triplicate experiments were done in all tests. Most of the recovery in this study was over 80% 

(Figure S2.2). Although standard deviations of recovery were large (i.e., from 5 % to 30 %), which 

was probably due to sample losses during the drying and extraction processes, fractions of various 

metal partitioning were relatively stable (i.e., most of the standard deviations were less than 10%, 

which are shown in section 2.3.1).   

2.3 Results and Discussion 

2.3.1 Evolution of metal size distribution in synthetic wastewater throughout the WWTT 

To investigate the mass of heavy metals associated with the different size fractions, we used 0.45 

µm membranes and 5 kDa membranes to fractionate water samples into particulate (retentate from 

0.45 µm membranes), colloidal (permeate from 0.45 µm membranes that is rejected by 5 kDa 

membranes), and dissolved fractions (permeate from 5 kDa membranes). Control experiments (i.e., 

filtration experiments performed with DI water and DI water spiked with heavy metals) showed 

that 19% ± 6% of water was lost during 5 kDa filtration process (Table S2), which was due to low 

flux and enhanced water evaporation rates under vacuum conditions.  

 

Figure 2.1 shows the relative amount of heavy metals in each size fraction from synthetic 

wastewater as a function of the treatment step. The behavior of Pb and Cd in synthetic raw 
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wastewater varied significantly with As(III). 31% ± 6% of Pb and 20% ± 2% of Cd was found 

associated with the particulate fraction (i.e., >0.45 µm) in synthetic raw wastewater (Figure 2.1A-

B). The percentage of Pb associated with the particulate fraction in synthetic raw wastewater was 

lower than that reported in real wastewater samples.[40, 49] We speculate that the high 

concentration of humic acid in our synthetic raw wastewater leads to the stabilization of Pb, 

keeping it in the colloidal fraction and preventing its sorption onto particulate matter.[50] The 

percentage of Cd in the particulate fraction found in synthetic raw wastewater (~20%) was in 

agreement with results reported by others,[39, 49] where 16% of Cd was found associated with 

the particulate form.[49] The 5 kDa membranes rejected almost all Pb and Cd from the synthetic 

raw wastewater, indicating that little Cd or Pb was in the dissolved fraction (i.e., < 5 kDa) in the 

synthetic raw wastewater (Figure 2.1A-B). However, the case for As(III) was quite different, with 

both the 0.45 µm membranes and 5 kDa membranes failing to reject As(III) from the synthetic raw 

wastewater or from effluent from any of the treatment steps (i.e., primary effluent and secondary 

effluent), indicating that nearly all As(III) was in the dissolved fraction and As(III) did not 

associate with any particulate or colloidal material throughout the WWTT (Figure 2.1C). The 

different behavior of As(III) and Pb/Cd are likely due to their different charges. Pb and Cd exist 

as cations in wastewater, which are readily sorbed by particles or colloids in synthetic raw 

wastewater that were rejected by the membranes. Other studies have also reported strong 

electrostatic attractive forces between Pb/Cd and humic acid.[51] However, it is difficult for these 

colloids and particles to adsorb As(III), which is typically found as H3AsO3 (with a pKa of 9.23 at 

25 ℃),[52] a neutral molecule in the synthetic wastewater (pH = 7.16). This weak interaction 

between As(III) and humic acid was also observed in other studies. For example, the presence of 

humic acid had little impact (< 2%) on the adsorption of As(III) by Fe-Mn oxides.[53] In addition 
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to adsorption caused by electrostatic forces, acid-base interactions play an important role in the 

adsorption of metals on the surface of iron oxides.[54] 

 

The impacts of flocculation on the metal size distribution depend on the metal species. Flocculation 

with FeCl3 followed by sedimentation removed all of the Pb (~100% ± 0%) and over half of the 

As(III) (70% ± 2%) from the raw wastewater (Figure S2.3). To investigate the amount of Pb in 

different fractions of primary effluent, we spiked Pb into the stream. A large amount (~62% ±9%) 

of Pb was found in the particulate fraction (Figure 2.1A). This is likely because Pb is readily sorbed 

onto iron particles (i.e., Fe(OH)3 flocs)[55] remaining in the flocculation effluent. Furthermore, 

during the size-distribution characterization process, a cake layer containing iron residues formed 

on the surface of the 0.45 µm membranes, which could adsorb Pb[55] and result in an 

overestimation of particulate Pb. Unlike Pb, only a modest amount of Cd (~33% ±13%) was 

removed by flocculation/sedimentation (Figure S2.3), which is consistent with literature reporting 

that flocculation/sedimentation is not effective at removing Cd.[56] In the primary effluent (i.e., 

effluent from the flocculation/sedimentation), 87% ± 5% of Cd existed in the dissolved phase (<5 

kDa) (Figure 2.1), which is much higher than the fraction of dissolved Cd in raw wastewater (~13% 

± 4%). This is likely because flocculation removed most of the humic acid (as evidenced by the 

change in UV254 absorption between synthetic flocculation effluent and synthetic raw wastewater 

in Table 2.1), enabling any residual Cd to persist in the dissolved fraction.  

 

The activated sludge process (i.e., secondary treatment) removed a large amount of Cd (~80% ± 

7%), a modest amount of Pb (~40% ± 3%), and little As(III) (~0% ± 10%)(Figure S2.4), which is 

in line with previous literature.[57] The removal of metals in the activated sludge process is 
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influenced by many factors, including initial heavy metal concentrations, chemical oxygen demand 

in the effluent, sludge age, and extracellular polymers (ECPs).[58] ECPs play an important role in 

metals removal.[59] The higher removal of Cd compared to Pb is likely because of the stronger 

interactions between ECPs and Cd, compared to those between ECPs and Pb.[60, 61] In the 

secondary effluent, Cd and Pb showed similar behavior in terms of their partitioning to the various 

size fractions (Figure 2.1). The fractions of colloidal Pb and Cd in the secondary effluent were 

lower than those observed in raw wastewater, while the fractions of dissolved Pb and Cd in the 

secondary effluent were higher than those in raw wastewater, indicating that dissolved metals are 

more difficult to be removed during the activated sludge process than those in the particulate 

fraction. 

 

Overall, in the presence of humic acid (e.g., in synthetic raw wastewater and synthetic secondary 

effluent), half of the Pb and Cd were found in the colloidal fraction (5 kDa - 0.45 m). When 

humic acid was removed by flocculation, Pb was primarily found in the particulate fraction (> 0.45 

m), while Cd was primarily found in the dissolved fraction (< 5 kDa). The majority of As(III) 

was found in the dissolved fraction (< 5 kDa) and the WWTT had little impact on its size 

distribution.   
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Figure 2.1 The relative amount of A) Pb, B) Cd and C) As(III) associated with particulate (>0.45 

µm), colloidal (5 kDa-0.45 µm), and dissolved (<5 kDa) fractions of synthetic wastewater at 

different stages of the WWTT. The feed water for flocculation treatment and secondary treatment 

was synthetic raw wastewater. Fractions <5% are not labelled in the figure. 
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2.3.2 Evolution of metal partitioning in synthetic wastewater during the WWTT 

Heavy metals in the colloidal and dissolved fractions are generally more difficult to remove 

compared to those in the particulate fraction. Therefore, it is useful to investigate the evolution of 

heavy metal partitioning in the colloidal and dissolved fractions. To investigate this, we dried 

permeate from the 0.45 µm membranes and applied the sequential extraction method. It is worth 

noting that the results shown here demonstrated heavy metal distribution under rather extreme 

conditions, where metals were “forced” to complex during the drying process.  

 

Figure 2.2A shows the evolution of Pb partitioning in synthetic wastewater throughout the WWTT. 

In synthetic raw wastewater, the amount of Pb bound to NOM (~42% ± 7%) was similar to the Pb 

bound to iron or manganese oxides (~38% ± 4%) (Figure 2.2A). Interestingly, the distribution of 

non-particulate (i.e., colloidal and dissolved) Pb in this study was similar to the distribution of 

particulate Pb reported by Venkateswaran et al.,[62] indicating that size had little impact on the 

Pb partitioning. The distribution of Pb in primary effluent was not reported here because little Pb 

was detected in that stream. The Pb partitioning in secondary effluent was similar to its partitioning 

in raw wastewater, indicating that the activated sludge process had little impact on Pb partitioning 

behavior. Over half of Pb (~51% ± 1%) was bound to residues (i.e., the part of the sample that 

could only be digested by aqua regia at high temperature) in primary sludge, and 43% ± 1% of it 

was bound to NOM, indicating that Pb is highly stabilized in primary sludge. The partitioning of 

Pb in secondary sludge varies greatly between samples acquired from different wastewater 

treatment plants.[63] In our study, Pb in secondary sludge was primarily bound to metal oxides 

(49% ± 1%), with some Pb bound to the organic fraction (24% ± 1%), and a similar amount bound 
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to carbonates (25% ± 2%) (Figure 2.2A). Overall, the WWTT had little impact on the Pb 

partitioning in synthetic waster.  

 

Figure 2.2B shows the evolution of Cd partitioning in synthetic wastewater throughout the WWTT. 

Although Cd carries a similar charge to Pb, little Cd was bound to NOM and iron oxides in 

synthetic raw wastewater (Figure 2.2B), which was significantly different from Pb. Half of Cd 

existed as ions in synthetic raw wastewater (Figure 2.2B), indicating that Cd is much more mobile 

than Pb. This high mobility of Cd was confirmed by experiments with extended extraction time 

(Figure S2.5). After 6 hours of extraction with 1 M MgCl2, most (~88% ± 3%) of the Cd was 

released as ionic Cd, while only 7% ± 7% of the Pb was released as ionic Pb (Figure S2.5). The 

mobility of Pb and Cd is in line with observations in MWW sludges[64] and soil samples.[65] The 

high mobility of Cd is likely because the stability constant of Pb/humic acid is much higher than 

that of Cd/humic acid.[66] The fraction of ionic Cd in primary effluent was much higher than that 

in raw wastewater, which likely resulted from the increased ionic strength since increased ionic 

strength could screen attractive forces between positive cadmium ions and negative substances.[67] 

In contrast to the partitioning of Cd in raw wastewater and primary effluent, over half of the Cd 

was bound to carbonate in secondary effluent. This is likely because the biological treatment 

process removed carboxylic acids (TOC decreased by approximately 90% after bio-treatment 

(Table 2.1)) in synthetic wastewater, which led to an increase in the pH of the extraction solution 

(from 6.5 in raw wastewater ionic extraction solution to 9.6 in secondary effluent ionic extraction 

solution), causing the precipitation of Cd as carbonates. These precipitates would dissolve during 

the carbonate-fraction extraction process, manifesting Cd as bound to carbonate (Figure 2.2B). In 

primary sludge, over half of Cd (~67% ± 10%) was bound to the residues, which is similar to Pb, 
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indicating that both Cd and Pb were both stable in primary sludge. In secondary treatment sludge, 

the fraction of ionic Cd was similar to the fraction of Cd bound to iron oxides. These two fractions 

accounted for most of the Cd, indicating that Cd was still mobile in secondary treatment sludges. 

However, it was reported that Cd partitioning varied significantly with sludge samples obtained 

from different sewage treatment plants.[63] Overall, flocculation enhanced ionic Cd 

concentrations, while secondary treatment increased carbonate-bound Cd in synthetic wastewater. 

 

Most (~79% ± 5%) of the As(III) existed as free arsenic in synthetic wastewater (Figure 2.2C). 

This is because it is difficult for colloids or particles in wastewater to adsorb As(III), which has a 

Pka1 of 9.23 at 25 ℃[52] and was predominantly present in its neutral form in our study (i.e., pH 

= 6.49 in ionic-extraction solution). Flocculation/sedimentation removed approximately 70% ± 2% 

of As(III) (Figure S2.3), which agrees well with previous literature.[68] This high removal is 

because As(III) could form inner-sphere surface complexes with ferric hydroxides,[69] which is 

confirmed by the fact that most of the As(III) was found bound to iron oxides in primary effluent 

(Figure 2.2C). In primary sludge, over half (~54% ± 1%) of the As(III) was bound to residues, 

confirming that iron-based flocculation/sedimentation is a robust method to stabilize As(III). 

Unlike the behavior of As(III) in raw wastewater, over half (~70% ± 1%) of the As(III) was bound 

to carbonate in secondary effluent. However, we speculate that most of As(III) was ionic in 

secondary effluent because almost all As(III) was found in the dissolved fraction (Figure 2.1C). 

For the same reasons mentioned earlier, the overestimation of As(III) bound to carbonate was 

likely caused by an increase of pH in the ionic extraction solution, which could convert As(III) to 

its charged form that formed precipitates with magnesium,[70] presenting as As(III) bound to 

carbonate. We speculate that the conversion of As(III) to arsenate (As(V)) (Figure S2.6) during 
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the aerobic biodegradation process[71] also contributed to the large fraction of arsenic bound to 

carbonate because it is predicted that As(V) preferentially binds with carbonate compared to 

As(III).[72] In secondary sludge, little As(III) was bound to NOM or residue (Figure 2.2C), 

indicating that As(III) is highly mobile in secondary sludge. The high mobility of As(III) reported 

here agrees well with As(III) behavior reported in lake sediments.[73] Overall, secondary 

treatment had little impact on the partitioning of As(III), while flocculation with FeCl3 significantly 

elevated the fraction of As(III) bound to iron oxides in synthetic wastewater. 
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Figure 2.2. The evolution of A) Pb, B) Cd and C) As(III) partitioning in the colloidal and dissolved 

fractions (i.e., <0.45 µm) of synthetic wastewater throughout the WWTT. For effluent samples, 

permeate from 0.45 µm membranes was dried and extracted. Sludge samples were firstly 
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centrifuged, then the residues were dried. The feed water for flocculation treatment and secondary 

treatment was raw wastewater. Fractions <5% are not labelled in the figure. 

2.3.3 Influence of hardness on distribution of metals  

Water hardness plays an important role in heavy metal behavior such as metal solubility[74] and 

sorption.[75] To investigate the impacts of water hardness on the distribution of heavy metals in 

wastewater, experiments were performed in soft (60 mg/L hardness as CaCO3), hard (127 mg/L 

hardness as CaCO3), and very hard (200 mg/L hardness as CaCO3) synthetic wastewater. Figure 

2.3 shows the influence of an increased hardness on the amount of metals in the different 

wastewater fractions. The elevated hardness had little impact on the particulate fraction of Pb and 

Cd. However, an increase in hardness resulted in an increase of Pb and Cd in the dissolved fraction 

(Figure 2.3). This increased dissociation of metals from metal-humic complexes resulting from an 

increase of divalent ions was also observed by previous researchers.[42] This is likely caused by 

an increase in ionic strength that compresses the electrical double layers of the particles,[67] which 

limits the effectiveness of electrostatic attractive forces between cations (i.e., metals) and colloids. 

As a result, it reduced the possibility of metals to interact with colloids,[42] and increased the 

percentage of dissolved metals. Furthermore, the limited effectiveness of electrostatic repulsive 

forces between colloids would promote their aggregation and reduce the effective surface area, 

thus boosting the percentage of dissolved metals. Water hardness had little impact on the 

partitioning of metals in synthetic wastewater, as the percentage of different fractions of metals in 

different hardness conditions were nearly identical across all hardness values (Figure 2.4).  
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Figure 2.3. Influences of hardness as A) 60 mg/L B) 127 mg/L C) 200 mg/L CaCO3 on size 

distribution of heavy metals in particulate (>0.45 µm), colloidal (5 kDa-0.45 µm), and dissolved 

fractions (<5 kDa) of synthetic raw wastewater. Fractions <5% are not labelled in the figure. 
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Figure 2.4. Influences of hardness as A) 60 mg/L B) 127 mg/L C) 200 mg/L CaCO3 on partitioning 

of heavy metals in synthetic raw wastewater. Permeate from 0.45 µm membranes was dried and 

extracted. Fractions <5% are not labelled in the figure. 
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2.3.4 Evolution of metals in real wastewater samples  

To verify the data obtained from synthetic wastewater, we investigated the evolution of metals in 

real wastewater. Figure 2.5 shows the relative amount of metals in particulate, colloidal, and 

dissolved fractions of real wastewater samples. The distribution of metals in real raw wastewater 

was similar to that in real primary effluent, indicating that physical treatment (i.e., sedimentation) 

had little impact on heavy metal size distribution. In real wastewater, Pb was primarily found 

associated with the particulate fraction (54%~93%) (Figure 2.5), which is in line with previous 

reports.[49] However, in synthetic wastewater, Pb was primarily (38%~59%) found in the 

colloidal fraction (Figure 2.1). We speculate that this difference is caused by a relatively high 

concentration of humic acid in the synthetic wastewater (see UV254 in Table 2.1), which can 

complex with Pb[42] and prevent it from being sorbed onto larger particles.[50] A large amount 

of Pb was associated with the particulate fraction in real tertiary treatment effluent, which is a 

chemically enhanced filtration process (i.e., a coagulant is added before filtration). A similar high 

fraction of particulate Pb was also observed in synthetic wastewater flocculation effluent (Figure 

2.1A); in both cases, FeCl3 was used as the coagulant. This is likely because Pb is sorbed onto 

residual iron particles in the coagulation effluent.[55] In addition, the cake layer containing iron 

residues on the surface of the 0.45 µm filters used for size fractionation may sorb non-particulate 

Pb, leading to an overestimation of particulate Pb.[76] A small fraction (< 30%) of Cd in real raw 

wastewater was found associated with the particulate fraction, which is in line with Cd behavior 

in synthetic raw wastewater and in the literature.[49] However, most of the Cd in real wastewater 

samples was in the dissolved fraction, which is different from the size distribution of Cd in 

synthetic wastewater, where most of the Cd was associated with the colloidal fraction. Again, this 

is likely caused by the relatively high concentration of humic acid in synthetic wastewater.[77] 
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However, the interactions between Cd and humic acid are weaker[66] compared to Pb, and 

increased ionic strength could release Cd from humic acid (Figure 2.2).  

 

Overall, the evolution of metal size distribution in real wastewater was similar to that observed in 

synthetic wastewater. Due to the low concentration of humic acid, Pb was primarily found in the 

particulate fraction, which was further increased by flocculation with FeCl3. Cd was primarily 

found in the dissolved fraction, which gradually increased throughout the WWTT. Most of As(III) 

was found in the dissolved fraction, and the WWTT had little impact on it. 
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Figure 2.5. The amount of A) Pb, B) Cd and C) As(III) in particulate (>0.45 µm), colloidal (5 kDa-

0.45 µm), and dissolved (<5 kDa) fractions of real wastewater samples throughout the WWTT. 

Fractions <5% are not labelled in the figure. 

Figure 2.6 shows the evolution of heavy metal partitioning in real wastewater samples obtained 

from the different stages of the WWTT. The metal partitioning in raw wastewater was similar to 

that in primary effluent, indicating that physical treatment (i.e., sedimentation) had little impact on 
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heavy metal partitioning. Although heavy metal partitioning in real wastewater samples was 

different from those observed in synthetic wastewater (likely because of differences in water 

quality as shown in Table 2.1), the evolution of heavy metal partitioning throughout the WWTT 

in real wastewater samples was similar to that observed in synthetic wastewater. The majority of 

Pb was bound to carbonate (79% to 100%) in all real wastewater samples except in tertiary effluent, 

which is likely because the concentration of humic acid was low (see UV254 data in Table 2.1) in 

this batch of real wastewater and few compounds competed with carbonate to complex Pb (log 

Ksp of PbCO3 is -13.76 ± 0.15).[78] As expected, the fraction of Pb bound to iron oxides 

dominated in the tertiary (i.e., chemically enhanced filtration) effluent, confirming that Pb is 

readily sorbed by iron oxides.[42] In real raw wastewater samples, most of the Cd was ionic 

(~72%), which was similar to what was observed (~50%) in synthetic raw wastewater, confirming 

that Cd is highly mobile in wastewater. Like the results generated from synthetic wastewater, 

secondary treatment elevated the fraction of Cd bound to carbonate. As expected, tertiary treatment 

slightly increased the fraction of Cd bound to iron oxides, but otherwise did not dramatically 

change the partitioning of Cd. Surprisingly, most of the As(III) was bound to carbonate in real 

wastewater samples, which was significantly different from the distribution of As(III) in synthetic 

wastewater. We speculate that this is because the pH of ionic-extraction solution (i.e., 1 M MgCl2) 

in real wastewater sample was high (i.e., pH = 9.18) because of the lack of acids, allowing As(III) 

to form precipitates with Mg.[70] These precipitates would dissolve during the carbonate 

extraction process because of the addition of acid, manifesting as As(III) bound to carbonate. In 

fact, most of As(III) was ionic, which is supported by the fact that the majority of As(III) was 

found in the dissolved fraction (Figure 2.5). Similar to As(III) behavior in synthetic wastewater, 

the fraction of As(III) bound to iron oxides increased in tertiary effluent, likely because arsenic 
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can form inner-sphere complexes with iron oxides.[69] Overall, similar to Pb and As(III) in 

synthetic wastewater, the WWTT had little impact on their partitioning in real wastewater, except 

that flocculation with FeCl3 caused the formation of metal/iron complexes; secondary treatment 

increased the fraction of Cd bound to carbonate.  
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Figure 2.6. The evolution of A) Pb, B) Cd and C) As(III) distribution in real wastewater samples 

throughout the WWTT. Permeate from the 0.45 µm membranes was dried and extracted using the 

sequential extraction method. Fractions <5% are not labelled in the figure. 

2.4 Conclusions 

The evolution of metal size distribution and partitioning throughout the WWTT is of paramount 

importance for developing metal detection and metal removal techniques. The distribution of 

heavy metals in wastewater was dependent on the metal species, as well as water quality 

characteristics. For the different metals tested here, 57% of Pb and 65% of Cd were associated 

with humic acids in raw synthetic wastewater, which kept them in the 5 kDa – 0.45 µm fraction. 

The concentration of humic acid in real wastewater was much lower than that in synthetic 

wastewater. As a result, the majority (54%~93%) of Pb was found in the particulate (>0.45 µm) 

fraction, primarily associated with oxides and/or carbonate particles, while the majority (between 

73% and 91%) of Cd was found in the dissolved (i.e., < 5 kDa) fraction. The WWTT had little 

impact on the size distribution of Pb, except that flocculation with FeCl3 increased particulate Pb. 

In contrast, the WWTT gradually increased the dissolved Cd fraction. As(III) remained in the 

dissolved fraction, and the WWTT had little impact on its size distribution.  

 

Importantly, the metal partitioning analysis presented here demonstrated the partitioning of metals 

in the colloidal and dissolved fractions (<0.45 µm) under extreme conditions driven by the drying 

step used during the extraction process, which forced metals to complex with other components of 

wastewater. Nearly half (~42%) of Pb was bound to humic acid, while half (~50%) of Cd was 

identified as ionic in raw synthetic wastewater. A similar partitioning behavior was observed for 

Cd in real raw wastewater. However, most of the Pb was bound to carbonates in real raw 



 33 

 

wastewater. The majority of As(III) was highly mobile in wastewater. The WWTT had little 

impact on the partitioning of Pb and As(III) except that flocculation with FeCl3 caused the 

formation of metal/iron complexes. However, flocculation elevated ionic Cd, and the activated 

sludge process elevated Cd bound to carbonate. Generally, an increase of water hardness slightly 

increased the metal concentrations in the dissolved fraction, while it had little impact on their 

partitioning. Overall, this study provides information to plant operators and potential users of 

treated wastewater regarding the fate and speciation of heavy metals in municipal wastewater 

streams.  

Table 2.1. Characteristics of real and synthetic water samples 

 

Samples 

pH 

TOC 

(mg/L) 

UV254nm 

(1/cm) 

Real raw wastewater 7.22 74.5 0.41 

Real primary effluent 7.45 73.8 0.75 

Real secondary 

effluent 

7.11 16.0 0.43 

Real tertiary effluent 7.73 13.5 0.25 

Synthetic raw 

wastewater 

7.16 152.8 2.22 

Synthetic flocculation 

effluent 

5.04 119.1 0.07 

Synthetic secondary 

effluent 

7.23 15.5 1.26 
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Chapter 3: Towards Rapid Detection of Trace Lead and Cadmium 

by Anodic Stripping Voltammetry in Complex Wastewater Streams 

 

3.1 Introduction 

Exposure to heavy metals (HMs) is known to lead to negative impacts on humans and the 

environment.[4] As a result, various advanced measurement techniques have been developed to 

measure HMs concentrations, including inductively coupled plasma – mass spectrometry (ICP-

MS) and atomic absorption spectroscopy (AAS).[79] However, these advanced methods rely on 

expensive instrumentation and highly trained technicians. Because of this, the measurement of 

HMs is a costly and infrequent process.[79] However, the increasing interest in the reuse of 

municipal wastewater (MWW), which can be rich in HMs, is raising the risk of exposure to HMs, 

which is driving the interest in developing robust, high-frequency, and low-cost HM sensing 

technologies.  

 

Anodic stripping voltammetry (ASV) is an attractive sensing technique that can measure a wide 

range of metal contaminants at ppb levels.[80] Importantly, ASV can be miniaturized and 

integrated into a lab-on-a-chip  device that can conduct frequent metal measurements in a highly 

automated manner. While ASV is a highly sensitive detection method and has been successfully 

demonstrated in simple water matrixes (e.g., synthetic tap water, deionized water, and refined 

sugar solution[81]), it can only detect metals in their ionic form. Some studies have taken 
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advantage of this limitation to differentiate between free metals, which could be detected via ASV, 

and non-free metals, which are not detected.[20] Unfortunately, many HMs are found as 

complexed species (e.g., with natural organic matter (NOM), carbonates,[82] and oxides) or sorbed 

onto particulate matter in wastewater,[83] making them invisible to ASV.[84] In addition, certain 

aqueous species, such as NOM, can react with and/or damage the ASV electrodes.[84] 

Furthermore, some electrochemically-active substances (e.g., oxygen and non-target metals) could 

screen or overlap target signals, and thus interfere with ASV detection.[84] To detect and quantify 

the total metal concentrations, current state-of-the-art detection methods, such as ICP-MS, utilize 

extreme conditions (highly acidic conditions followed by plasma treatment) to convert metals to 

their atomic form.[85] In a similar manner, enabling ASV to detect total metal concentrations in 

complex aqueous streams requires the transformation of the target metal to its ionic form. However, 

the extreme conditions used in ICP-MS make such pre-treatment processes difficult to implement 

in a cost-effective manner. Therefore, the development of simple pre-treatment steps that are 

specifically targeted towards particular metal species would enable the use of ASV as an 

alternative sensing platform for the detection of trace HMs in complex aqueous streams. 

Ultraviolet (UV) based processes have been used to photolyze cadmium-containing organic 

molecule (e.g., cadmium dimethyl[86]) or to release metals in MWW for ASV detection.[87, 88] 

However, long processing times and high temperatures make these approaches difficult to 

implement for routine Pb and Cd detection. Importantly, previous ASV measurements in MWW 

weren’t validated by ICP-MS or AAS measurements.[88, 89] 

 

Recently, we reported a bismuth subcarbonate ((BiO)2CO3)/reduced graphene oxide (rGO) 

nanocomposite incorporated in a Nafion matrix ((BiO)2CO3-rGO-Nafion) modified glassy carbon 
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electrode (GCE) for ASV detection of trace lead (Pb) and cadmium (Cd) in simulated river 

water.[89]  In this study, we applied the above electrode to detect Pb and Cd concentrations in 

synthetic and real MWW samples. When samples were pre-treated using a strong acid or vacuum 

UV (VUV)/H2O2, the ASV method was able to detect trace concentrations of these HMs, with 

results matching those obtained using ICP-MS. The combination of appropriate pre-treatment and 

excellent electrode sensitivity and selectivity paves the way towards the development of cost-

effective and automated sensor packages capable of generating frequent and automated results 

(once per hour). 

 

3.2 Materials and methods  

3.2.1 Chemicals and instruments   

Unless indicated, all chemicals used in this research were ACS grade. Lead nitrate, cadmium 

nitrate, sodium acetate, ammonium acetate, monopotassium phosphate, sodium bicarbonate, 

manganese sulfate, manganese chloride, zinc chloride, zinc sulfate, magnesium sulfate, hydrogen 

peroxide (30%, Optima grade), nitric acid (67%~69%, Optima grade), graphite powder, bismuth 

nitrate (Bi(NO3)3·5H2O), N, N-dimethylformamide (DMF), ethylene glycol, sodium acetate 

trihydrate, sulfuric acid (H2SO4, 98%), phosphoric acid (H3PO4, 85%), potassium permanganates 

(KMnO4), hydrochloric acid (HCl, 37%), and calcium chloride were ordered from Fisher. Nafion, 

Pb(NO3)2 and Cd(NO3)2 standard solutions (1 mg/mL), and humic acid sodium salt (Technical 

grade) were purchased from Sigma-Aldrich (St. Louis, MO). Dissolved organic carbon (DOC) was 

measured with a total organic carbon analyzer (Shimadzu TOC-LCSN) after samples were filtered 

with 0.45 µm filters. 
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3.2.2 SWW composition and sources of real MWW 

Synthetic MWW, a modification of a recipe used by other studies.,[41, 83] was spiked with Cd 

and Pb. In short, the synthetic MWW contained (in 1 L of DI water): CH3COONa, 256.41 mg; 

CH3COONH4, 240.88 mg;  KH2PO4, 43.94 mg; NaHCO3, 125 mg; FeCl2, 0.375mg; MnSO4, 0.038 

mg; ZnSO4, 0.035 mg; NaCl, 585 mg; humic acid sodium salt, 50 mg; MgSO4, 25 mg; CaCl2, 10 

mg. Real secondary effluent (i.e., from an activated sludge process) and real tertiary effluent (i.e., 

chemically enhanced filtration, which consists of coagulant addition (FeCl3), and rapid sand 

filtration) were obtained from the West Basin Municipal Water District in Southern California. 

Neither Pb or Cd were detectable in the real wastewater samples using ICP-MS, and as a result, 

we spiked Pb and Cd into these samples. These real wastewater samples were filtered with filter 

papers (Whatman, Grade 4) before being spiked with Cd and Pb.  After the addition of metals, 

both synthetic wastewater samples and real wastewater samples were stirred for 24 h at ambient 

temperature (23 ℃).   

 

 

3.2.3 Fabrication of electrodes and ASV detection/measurement of Cd and Pb 

The ((BiO)2CO3-rGO-Nafion)-modified GCE was fabricated according to our previously reported 

protocol. [89] In brief, a GCE was polished on a MicroCloth pad using alumina powder (0.05 mm), 

followed by sequential washing in nitric acid (50% w/v), ethanol and deionized water. 8 l of a 

suspension consisting of 4 ml N, N-dimethylformamide (DMF), 800 l of 0.5% (w/v) of Nafion 

in ethanol and 1 mg of (BiO)2CO3-rGO (synthesized as reported previously) [89] was deposited 

and dried at 60 ℃ in an oven. 
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A complete analysis cycle consisted of 1) holding the WE at 0.3 V (vs. Ag/AgCl) for 120 s to 

remove all metals from the surface, which is achieved by keeping the voltage constant using a CHI 

760C electrochemical station 2) applying a potential of -1.2 V (vs. Ag/AgCl) for 2 minutes to 

reduce Pb and Cd cations to zero-valent under stirred condition, followed by equilibrating without 

stirring for 10 s and 3) sweeping the potential from -1.1 to -0.3 V at 5 mV potential step, 25 mV 

amplitude and 25 Hz frequency. 

 

The procedure of measuring the concentrations of Pb and Cd in MWWs consisted of two steps. 1) 

Generating plots of peak anodic stripping current as a function of known concentration of Pb and 

Cd in 0.2 M, pH 5, acetate buffer[89] and fitting a linear relationship between anodic current and 

metal ion concentration. 2) Performing ASV of MWW samples and estimating Pb and Cd 

concentrations. This process started by adding 1 ml of 2 M, pH 5, acetate buffer to 9 ml of MWW 

and performing ASV; each measurement was repeated 3 times. This was followed by estimating 

the concentrations using the linear correlations from the calibration plots generated in (1). 

 

Measurement/detection of Pb and Cd by ASV was performed according to the protocol reported 

previously,[89] with the current peak height used to evaluate HM concentrations. In short, 

measurements were performed in a 20 ml, 3-electrode cell consisting of ((BiO)2CO3-rGO-Nafion)-

modified GCE working electrode (WE), Ag/AgCl (3 M KCl) reference electrode, and Pt wire 

counter electrode using a CHI 760C (CH Instrument, Austin, TX, USA) electrochemical station. 

Each newly fabricated/calibrated electrode was used for analyses of up to 10 MWW samples. All 

measurements were at least duplicated. A sample of typical ASV raw data are shown in Figure 

S3.1. 
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3.2.4 Sample processing methods 

A brief summary of the sample processing steps is shown Figure 3.1, and detailed protocol was 

provided in Text S1. For acidification, 50-mL sample was added to a beaker and 0.3 mL nitric acid 

(67% ~ 69%, Optima grade) was added to adjust the pH to 1. HNO3 was chosen because HNO3 is 

commonly used for ICP-MS sample preparations. A customized UV reactor made of polyvinyl 

chloride (PVC) was used to expose 100 mL of sample to VUV light (Figure S3.2A). To generate 

hydroxyl radicals, 0.33 mL 30% H2O2 was added to the reactor. Samples containing high-

concentration metals (i.e., 100 ppb Cd and 1058 ppb Pb) were photolyzed for 30 minutes, while 

those containing low-concentration metals (i.e., 3.5 ppb Cd and 12.5 ppb Pb) were photolyzed for 

1 h. After photolysis, Na2SO3 was added to quench remaining H2O2 in the reactor. A 10 W VUV 

lamp (Sterilight S212ROL Lamp) with an emission peak of 185 nm, was purchased from 

HomePlus Products Inc (this product is advertised as a total organic carbon (TOC) removal and 

ozone generation lamp, and is used in under-the-sink water treatment systems). The spectrum of 

this lamp (Figure S3.2B) was measured by a spectrometer (USB2000+UV-VIS-FS, Ocean Insight, 

FL, USA), which shows that this lamp also emits at 254 nm, 310 nm, and 365 nm (it is noted that 

this spectrometer could not measure the spectrum at 185 nm). Although these pretreatment 

methods may introduce some impurities, (e.g., anions released from H2O2 reacting with organic 

matter),[88] our results show that these impurities had little impact on ASV detections (shown 

below). Samples for ICP-MS measurements were treated with 5% HNO3 solution. 
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Figure 3.1. Sample processing steps for Pb and Cd detection 

 

3.2.5 Model verification 

Visual MINTEQ 3.1 and the NICA-Donnan model was used to calculate the theoretical speciation 

of HMs in synthetic wastewater.  

 

3.3 Results and Discussion 

3.3.1 Analytical characterization of (BiO)2CO3-rGO-Nafion/GCE for Pb and Cd detection in 

buffer 

In a recent publication, we demonstrated ASV detection of Pb and Cd using the (BiO)2CO3-rGO-

Nafion/GCE WE with limit of quantitation of 0.694 ppb for Pb(II) and 0.544 ppb for Cd(II) and a 

limit of detection (LOD) of 0.208 ppb Pb(II) and 0.164 ppb Cd(II).[89] This LOD is comparable 
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to previous research(i.e., 0.25 ppb Pb(II) and 0.4 ppb Cd(II)).[90] The details of calculation are 

listed in the Supporting Information (Section Text S2). Figure S3.4 presents calibration curves for 

the detection of Pb and Cd in 0.2 M, pH 5 acetate buffer generated prior to analyses of MWW 

samples to estimate their concentrations in MWW samples. It is worth noting that all processed 

samples were ultimately measured by ASV at a pH of 5 (Figure 3.1). As a result, we used 

calibration curves at pH 5 (in acetate buffer) to calculate metal concentrations. The sensitivity 

(slope of the calibration plot) for metals corresponded well with reported values. There was no 

interference from 10-ppm ions (Na+, K+, Fe2+, Mn2+, Mg2+ Ca2+, Cl-, and NO3
-) [89] (Table S3.1). 

All ions listed in Table S3.1 were spiked in DI water. It is noted that although Cu2+ may interfere 

with ASV measurements of Pb, the interferences of Cu2+ can be easily addressed by selectively 

precipitating Cu2+ with ferrocyanides.[91-93] Although 10-ppm Zn(II) resulted in ~17% and ~41% 

current increase for Cd and Pb, [89] respectively (Table S3.1), it is reasonable to assume that Zn(II) 

would not significantly influence the detections of Pb and Cd in MWW because the concentrations 

of Zn(II) MWW are generally in the range of 10~650 ppb.[94] Specifically, in our experiments, 

the concentration of Zn(II) measured in our real wastewater samples was 8.7 ± 2.1 ppb, which was 

measured by ICP-MS, and didn’t influence the detection of Pb or Cd, as shown in Section 3.2.1 

and Section 3.2.2. Importantly, the (BiO)2CO3-rGO-Nafion/GCE electrode was stable/reusable for 

at least 10 cycles, [89] which is desired property for sensing application in the field and real time 

monitoring (Figure S3.3).  
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3.3.2 Performances of (BiO)2CO3-rGO-Nafion/GCE with coupled pre-treatment methods in 

synthetic and real MWW samples  

ASV with (BiO)2CO3-rGO-Nafion/GCE electrodes failed to detect Pb and Cd when they were 

spiked into synthetic and real MWW samples, while ICP-MS was able to accurately determine 

their concentrations (Figure 3.2 & Figure S3.5). To enable the detection of HMs using ASV, we 

investigated the impact of two pretreatment methods: acidification and VUV/H2O2. 

3.3.2.1 Acidification coupled with (BiO)2CO3-rGO-Nafion/GCE to detect low-concentration 

metals  

Figure 3.2 and Figure S3.5 show the impact of acidification (pH 1) on the detection of low-

concentration Cd (i.e., 3.5 ppb) and Pb (i.e., 12.5 ppb) by ASV (the results in Figure 3.2 are 

normalized to the concentrations measured using ICP-MS, while Figure S3.5 shows the absolute 

value measured by ASV and ICP-MS). While ASV was able to detect only 64% and 48% of Pb in 

synthetic and real secondary treatment wastewater, respectively, in untreated samples, 

acidification dramatically enhanced ASV detection of Pb, enabling ASV to achieve similar 

detection  results to ICP-MS in both synthetic raw wastewater (101% ± 14% in Figure 3.2A and 

Figure S3.5A) and real secondary treatment wastewater (102% ± 21% in Figure 3.2B and Figure 

S5B); these results are largely in-line with data calculated by Visual MINTEQ, which predicted 

that 85% of Pb should be present in its ionic form at pH = 1 (Figure 3.2E). It is worth noting that 

despite its success at pH =1, this model severely underestimated free Pb (i.e., ASV detectable Pb) 

at pH = 7. This underestimation of free metals was also reported in another study.[95] Previous 

studies have reported that acidic conditions can facilitate metal release from humic acid as well.[96] 

However, the minimum pH set by other studies are generally larger than 2, which could not 

completely release metals.[96-99] The improved ASV detection of Pb is attributed to the 
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destruction of the Pb-NOM complex, due to protonation of carboxylic binding sites on NOM. In 

the synthetic wastewater, the main NOM was humic acid, which precipitated significantly (based 

on visual examination) when the pH was decreased to 1. In addition to humic acid, real secondary 

effluent likely contained many other organic molecules, including fulvic acid, synthetic organic 

compounds, and microbial products.[100] It has been reported that DOM in some wastewater 

effluents is composed primarily of fulvic acid.[101] The calculation from Visual MINTEQ shows 

that although metal speciation is different in the presence of  fulvic acid compared to humic acid 

within a pH range of 3 to 7, the speciation was nearly identical when the pH was decreased to 1 

(Figure S3.6), which potentially explains why acidification worked well in both synthetic 

wastewater and real wastewater samples. In addition to the protonation of acidic groups, a low pH 

can facilitate the dissolution of inorganic species, such as carbonates and oxides, that are known 

to sorb Pb,[83, 102] which will result in the release of ionic Pb into the solution. Overall, 

acidification results indicate that Pb(II) is bound to carboxylic groups in NOM or inorganic 

particles, which generally cannot pass through 5 kDa membranes. This is supported by a fact that 

most of complexed Pb(II) in wastewater is rejected by 5 kDa membranes.[83]  

 

Acidification had only a slight impact on Cd detection by ASV in both synthetic wastewater (from 

56% ± 20% to 69% ± 5% in Figure 3.2C and Figure S3.5C) and real secondary treatment 

wastewater (from 32% ± 9% to 44% ± 1% in Figure 3.2D and Figure S3.5D). The % detection of 

Cd by ASV in synthetic wastewater following acid treatment corresponds well with the Visual 

MINTEQ model predictions; the model predicted that at pH 1, 71% of Cd would be in ionic form 

(ASV results yielded 69% ± 5%). However, the model showed that Cd is able to complex with Cl- 

at low pH (Figure 3.2E). This complexation has been shown to shift the half-wave potential of 
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Cd.[103] However, we didn’t observe a distinguishable shift in the Cd signal. While decreasing 

the pH to 1 was supposed to dissolve the majority of inorganic substances, our results show that 

acidification had a relatively minor impact on the amount of Cd available for ASV detection, 

suggesting that the majority of Cd(II) is not bound to inorganic particles or carboxylic groups in 

NOM, which corresponds well with previous research stating that compared to Pb(II), it is harder 

for Cd(II) to complex with NOM.[104]  We speculate that Cd(II) is bound to non-humic DOC, 

which generally has a lower molecular weights than NOM. This speculation was supported by the 

fact that most of the complexed Cd in wastewater could pass through membranes with pore size 

of 5 kDa.[83] 

 

Overall, it was found that acidification to pH 1 enabled the efficient detection by ASV of trace Pb 

concentrations (12.5 ppb) in both synthetic and real wastewater, however, it failed to make trace 

(3.5 ppb) Cd detectable by ASV. 
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Figure 3.2. The detection of trace Pb (A, B) and Cd (C, D) by ASV and ICP-MS in synthetic 

wastewater (A, C) and real secondary treatment wastewater (B, D) before and after acidification; 

E shows the influence of pH on the metal speciation distribution in synthetic wastewater predicted 

by Visual MINTEQ 3.1; Fractions lower than 3 % were ignored and fractions lower than 10% 

A: Pb in synthetic wastewater B: Pb in real secondary effluent

D: Cd in real secondary effluentC: Cd in synthetic wastewater 

E: data obtained from Visual MINTEQ
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were not labeled with exact number in this figure. NICA-Donnan model was chosen to calculate 

the complex between metal and humic substances. 

 

3.3.2.2 VUV/H2O2 coupled with (BiO)2CO3-rGO-Nafion/GCE  

Figure 3.3 and Figure S3.7 (the results in Figure 3.3 are normalized to the concentrations measured 

using ICP-MS, while Figure S3.7 shows the absolute value measured by ASV and ICP-MS) show 

the ASV and ICP-MS detection of high-concentration metals (i.e., 100 ± 9 ppb Cd and 1058 ± 113 

ppb Pb) in synthetic wastewater samples before and after VUV/H2O2 treatment. A 0.5 h 

VUV/H2O2 treatment significantly enhanced the amount of metals available for ASV detection 

(from 37% ± 8% to 92% ± 4% for Cd and from 48% ± 11% to 97% ± 0.7% for Pb), indicating that 

VUV/H2O2 is a robust process to release high-concentration metals (Figure 3.3A-B and Figure 

S3.7 A-B). It is noted that the pH of the solution after treatment was 7.2 ± 0.3, a level that HMs 

are not expected to be complexed with Cl-, but rather be primarily complexed with organic matter 

(Figure 3.2E). However, the presence of residual H2O2 remaining in the solution was found to 

interfere with Cd detection by ASV (Figure 3.3A and Figure S3.7A). Therefore, to eliminate this 

interference, we added 1200 ppm Na2SO3 to quench residual H2O2, which enabled ASV to achieve 

comparable results to ICP-MS (Figure 3.3A and Figure S3.7A). Interestingly, ASV detection of 

high-concentration Pb was insensitive to residual H2O2 (Figure 3.3B and Figure S3.7B). We 

speculate that this is because the concentration of Pb in this case was high enough to have a 

sufficiently high signal-to-noise ratio, and thus be resistant to the presence of residual H2O2. 

However, the impact of residual H2O2 on the detection of low-concentration Pb was observed, and 

quenching of H2O2 was necessary (more on this below).  
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VUV/H2O2 is a complex photolysis process that can involve multiple reactive pathways 

responsible for the degradation of DOC.[105, 106] Overall, VUV/H2O2 mechanisms can be 

classified into direct photolysis (i.e., by VUV), indirect photolysis (by radicals induced by 

VUV),[106] and direct oxidation by the H2O2 or ozone [107] (ozone can be generated by VUV 

irradiation).[108] Under VUV (i.e., UV with wavelength = 185 nm), ozone would produced from 

oxygen.[108]  

O2 + hv185nm → 2 O 

O  + O2 → O3 

The produced ozone could oxidize organics directly, however, ozone would form hydroxyl 

radicals under UV radiation in aqueous solutions.[108]  

O3 + H2O + hv254 nm → H2O2 + O2 

H2O2 + hv254 nm → 2 •OH 

Hydroxyl radicals (•OH) are non-target oxidants that are powerful to degrade organics.[108]  In 

our case, DOC in synthetic raw MWW decreased 48.7% and 64.3% (see Table S4.2) after 30-min 

and 60-min photolysis, respectively, suggesting that the VUV/H2O2 treatment led to partial 

mineralization. However, the DOC of real secondary effluent only dropped 10.5% and 11.1% (see 

Table S4.2) after 30-min and 60-min photolysis, respectively, likely because easily degraded DOC 

was removed during the activated sludge process.  

 

After validation of the effectiveness of VUV/H2O2 pretreatment for the detection of high-

concentration HMs, we further evaluated the effectiveness of VUV/H2O2 on low-concentration 

HM samples. With a 1-h VUV/H2O2 treatment, 103% ± 4% and 89% ± 9% of Cd was detected by 
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ASV in synthetic and real secondary treatment samples, respectively (Figure 3.3C, E). This is 

because Cd(II) ions are likely bound to small organic molecules, evidenced by the fact that most 

of the complexed Cd(II) in wastewater could pass through membranes with a pore size of 5 

kDa.[83] These small organic molecules are more readily mineralized by the VUV/H2O2 treatment 

compared to NOM,[109] which releases the Cd(II), making it available to ASV detection. 

However, some loss of Cd was observed after VUV/H2O2 treatment in both ICP-MS and ASV 

measurements (Figure S3.7C, E), where the total amount of Cd in real secondary treatment effluent 

decreased 0.22 ± 0.01 µg (from 4.46 ± 0.09 ppb to 2.22 ± 0.23 ppb in 100 mL solution) (Figure 

S3.7E). It is noted that similar Cd loss (i.e., from 4.30 ± 0.08 ppb to 2.48 ± 0.07 ppb in 100 mL 

solution) was also observed in the control group (i.e., solutions containing only DI water and 

cadmium), indicating that these errors were systematic. Similar losses were observed in real 

tertiary treated wastewater (decrease from 4.21 ± 0.02 ppb to 2.34 ± 0.43 ppb), with ASV achieving 

similar results with ICP-MS after VUV/H2O2 (Figure S3.8). These systematic errors are likely 

because of Cd sorption on PVC reactor.[110] Therefore, we conclude that VUV/H2O2 is an 

effective pre-treatment step for enabling Cd detection by ASV. 1 h VUV/H2O2 pretreatment 

slightly increased the amount of Pb available for ASV detections in synthetic wastewater (from 

49.6% ± 5% to 65% ± 3% in Figure 3.3D and Figure S3.7D) and real secondary effluent (from 20% 

± 5% to 40% ± 9% Figure 3.3F and Figure S3.7F). To explore whether adsorption to inorganic 

particles was preventing the complete detection of trace Pb concentrations, HNO3 was used to 

adjust the solution pH to 2 after the VUV/H2O2 treatment. However, the acidic pH led to a 

decreased amount of detectable Pb and Cd available for ASV detection (Figure 3.3E, F and Figure 

S3.7E, F). We speculate that the impaired metal detection at low pH resulted from interferences 

from SO2, which is electrochemically active [111]. SO2 can be produced from the hydrolysis of 
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HSO3
- (originating from Na2SO3 used to quench H2O2) at low pH (pKa1 for SO2/H2SO3 is 1.91). 

As a result, it is impractical follow the VUV/H2O2 treatment with acidification.  

 

Overall, 30-min VUV/H2O2 is a robust technique to make high-concentration (100 ppb) Cd and 

(1058 ppb) Pb available for ASV detection. Furthermore, although a systematic error was observed 

in VUV/H2O2 treated samples containing trace (3~4 ppb) Cd, this systematic error can be 

eliminated by using inert reactor materials that do not absorb Cd(e.g., glass material).  

 

 

 

A) High-concentration Cd in synthetic wastewater B) High-concentration Pb in synthetic wastewater

C) Low-concentration Cd in synthetic wastewater D) Low-concentration Pb in synthetic wastewater

E) Low-concentration Cd in real wastewater F) Low-concentration Pb in real wastewater
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Figure 3.3. The detection of high (A, B) and low concentration(C, D, E, F) of Pb (B, D, F) and Cd 

(A, C, E) by ASV and ICP-MS in synthetic wastewater and real secondary effluent before and 

after VUV/H2O2 treatment; Photolysis conditions: pH was around 7, initial H2O2 concentration 

was 1 g/L, temperature was 25 ℃ (temperature increased to around 40 ℃ during photolysis due 

to heat dissipated from the lamp); 0.5-h photolysis for high-concentration metals, 1-h photolysis 

for low-concentration metals; Residue H2O2 was quenched by Na2SO3.  

 

3.4 Conclusion 

ASV is an attractive on-site, low-cost metal detection technique capable of performing frequent 

and highly accurate measurements with little user input (i.e., the system can be readily automated). 

We demonstrated that appropriate pre-treatment (acidification for Pb and VUV/H2O2 + Na2SO3 

quenching for Cd) enables the sensitive detection of Cd and Pb in complex waste stream down to 

low ppb levels. Detection was enabled by using novel electrodes that are easily processable and 

scalable, and enabled very low LODs (0.24 and 0.16 ppb for Cd and Pb). The deployment of the 

method described here (pretreatment + ASV) has the potential of enabling the low-cost and 

frequent detection of HMs in complex wastewater streams, which will reduce the reliance on 

expensive and time-consuming ICP-based methods. The low-cost and frequent monitoring of HMs 

in wastewater could enable its more widespread use in various recycling activities, such as cooling 

and agricultural irrigation.  
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Chapter 4: Removal of As(III) by Electrically Conducting 

Ultrafiltration Membranes 

4.1 Introduction 

Both chronic and acute exposure to arsenic can be highly hazardous [33].  Elevated concentration 

(i.e., >10 μg/L) of arsenic in groundwater have been reported in many countries, including the 

USA, India, Japan, Germany, and China, with over-extraction of groundwater, brought about by 

water shortages, increasing the risk of arsenic exposure [32, 112, 113]. Arsenic occurs in various 

oxidation states, including arsine (As3-), elemental arsenic (As0), arsenite (As(III)), and arsenate 

(As(V)) [32], and the toxicity of arsenic varies with arsenic speciation. As(III) is the most toxic 

species, and is thermodynamically favorable in reduced redox environment [32]; As(V) is the less 

toxic species, and is the predominant species in oxygenated environments [33]. It is noted that both 

As(III) and As(V) may occur simultaneously in groundwater due to their slow redox kinetics [32].  

 

Various engineering methods have been employed to remove arsenic from drinking water. Because 

As(III) is more mobile and harder to treat, the oxidation of As(III) to As(V) is often used to achieve 

arsenic removal targets, when As(III) is the predominant arsenic species [32]. Oxidation 

techniques able to convert As(III) to As(V), including chemical oxidation [114], photo-oxidation 

[115], bio-oxidation [116], and electrochemical oxidation [117], have been widely investigated. 

However, these oxidative methods require additional solid/liquid separation steps such as sand 

filtration [118] and coagulation/sedimentation [119]. Flocculation and coagulation are the most 

widely employed techniques in drinking water plants to directly remove arsenic, the effectiveness 
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of which depends on the types of coagulant, arsenic species, and various operational conditions 

(e.g., pH) [32]. It is noted that flocculation, and in particular, aluminum hydroxide-based 

flocculation, couldn’t effectively remove As(III) [120], and As(III) removal by ferric chloride is 

less efficient compared to As(V) [119, 120]. Also, flocculation and coagulation produce large 

volumes of waste sludge with elevated concentrations of arsenic. More importantly, it is 

impractical for those who get drinking water from private wells to use a coagulation-based system. 

Sorption-based treatment of arsenic is sometimes used by small-scale or point of use (POU) 

treatment systems [121]. However, the effectiveness of sorption is dependent on the solution pH 

[121, 122] and phosphate concentrations [123], and As(III) removal is generally not as good as 

As(V) in the neutral pH range [32], which limits this approach’s utility. 

   

Many owners of private wells, and indeed, many households in general, utilize membrane units to 

ensure the safety of their drinking water [124]. Nanofiltration (NF) membranes are able to reject 

up to 99% of As(V), but only achieve 5% to 33% removal of As(III) [125-127]. It has been reported 

that RO systems can remove between 5% - 84% of As(III) in groundwater [128, 129], but many 

household RO systems in the USA remove less than 50% of arsenic when As(III) is the dominant 

arsenic species [130]. Importantly, a study that collected samples from 65 wells across the USA 

found that As(III) is the dominant (>90%) arsenic species in approximately 45% of these wells, 

and As(III) contributed to more than 50% of the total arsenic in more than 50% of these wells [131], 

indicating that a large number of people who get drinking water from wells may experience 

exposure to arsenic contamination. The challenge in removing As(III) with tight membranes is due 

to a fact that As(III) mainly presents as H3AsO3, as the pKa of H3AsO3 is 9.23, in natural waters - 

a neutral and highly mobile molecule. NF and RO membranes both rely on charge and size to 
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effectively remove small molecules, with both offering relatively poor rejection of small, 

uncharged species such as H3AsO3.  

 

Electrically conducting membranes (ECMs) are versatile membranes that are able to induce 

electrochemical reactions directly at the membrane/water interface [132]. These electrochemical 

reactions can enhance the rejection of pollutants by modifying the local pH along the membrane 

surfaces through water electrolysis [133], as well as triggering redox transformations of 

contaminants [134, 135]. ECMs can be fabricated with organic and inorganic substances (e.g., 

conductive polymers, carbon nanotubes (CNTs), and metal or metal oxides) [136, 137]. CNT-

based ECMs have been fabricated using pressure deposition [138] or spray coating approaches 

[139, 140]. In addition, previous work has demonstrated that ECMs are capable of resisting 

multiple forms of fouling, including biofouling [141], organic fouling [142], and mineral scaling 

[143]. Recently, nickel-coated CNT (Ni-CNT) based ECMs were employed to catalyze water 

splitting and enhance the local pH near the membrane surface [144, 145].  

 

In this study, we fabricated highly electrically conducting UF membranes for effective As(III) 

rejection. These UF membranes consisted of a hydrophilic Ni-CNT layer deposited on a 

hydrophilic polysulfone support. We demonstrate that the application of cathodic potentials to the 

membrane surface drives the hydrogen evolution reaction (HER), catalyzed by the Ni coating, that 

leads to a local pH increase, shifts H3AsO3 to its ionic form, and enables electrostatic repulsion of 

this species by the membrane. As(III) species that do pass through the membrane are transformed 

to As(V) species through electrochemically-generated H2O2 (a result of oxygen reduction on the 

membrane/cathode), which reduces the mobility and toxicity of any arsenic that is not rejected. 
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Mg/Ca hydroxides and/or carbonates precipitated on the membrane surface (a result of the locally 

elevated pH conditions), but membrane performance could be restored with a backwashing step. 

To the best of our knowledge, this is the first study to report high As(III) rejection with porous 

membranes having high water permeance without using oxidative pre-treatment.  

4.2 Materials & Methods 

4.2.1 Chemicals and instruments  

Sodium dodecylbenzenesulfonate (DDBS, technical grade), nickel chloride hexahydrate (ACS 

reagent grade), sodium (meta)arsenite (>90%), and sodium arsenate dibasic heptahydrate (ACS 

reagent grade, > 98%) were purchased from Sigma Aldrich (St. Louis, MO). Boric acid (ACS 

reagent grade, Fisher) and nickel sulfate heptahydrate (98%, Alfa Aesar) were purchased from 

Fisher Scientific and used as received. Tap water was obtained at UCLA and used in experiments 

without further treatment. Cations (e.g., Na, Mg, Ca, and K) in the tap water were measured by 

inductively coupled plasma - optical emission spectrometry (ICP-OES) (ICPE-9000, Shimadzu), 

while anions (e.g., F-, Cl-, Br-, NO3
-, SO4

2-, and HPO4
2-) were measured by ion chromatography 

(IC) (Dionex™ Integrion™ HPIC™ System) equipped with an AS- 19 column. The concentrations 

of the main ions in the tap water can be found in Table 4.1. Synthetic solutions were prepared 

using deionized (DI) water and ACS certified salts (NaCl, Na2SO4, CaSO4, and MgSO4), 

purchased from Fisher Scientific. The exact composition of each synthetic solution is listed in 

Table S4.1. Total arsenic was analyzed by inductively coupled plasma mass spectrometry (ICP-

MS) (PerkinElmer NexION 2000). A combination of high-performance liquid chromatography 

(HPLC) (Altus, PerkinElmer) and ICP-MS was used to differentiate As(III) from As(V) [146]. 

Hydrogen peroxide was measured with a N,N-diethyl-p-phenylenediamine (DPD) colorimetric 

method with CHEMets® Visual Kit (Catalog No.: K5502), with a detection limit of 25 µg/L. The 
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conductivity and pH of water samples was measure using a conductivity (Thermo Scientific™ 

Orion Star™ A222) and pH meter (Thermo Scientific™ Orion Star™ A221 pH Portable Meter).  

 

4.2.2 Membrane preparation and characterization  

UF membranes coated with a 6 µm-thick CNT layer were fabricated via a pressure-deposition 

method, the details of which were described previously [142]. In brief, 45 mL of 1 g/L multi-wall 

CNTs functionalized with 7.0% carboxylic groups (Cheaptubes Inc., Brattleboro, VT) were 

pressure deposited on PS-35 UF membranes (Solecta Membranes Inc., Oceanside, CA) at a 

pressure of 60 psi [142]. Ni was electrodeposited on the CNT UF membranes using a similar 

method to that reported in our previous research [144, 145]. Briefly, the CNT UF membrane was 

taped to a stainless steel mesh [144, 145], that was used as a cathode, while a nickel 200 plate 

(McMaster-Carr, Atlanta, GA, USA) was used as an anode in an electro-deposition solution 

containing 23 g/L NiSO4, 3.2 g/L NiCl2, and 31 g/L H3BO3 [144, 145]; a constant current of 20 

mA was supplied by an external power source (model: KA3005P, KORAD brand, Shenzhen, 

China) for 3 h to drive nickel deposition on the CNT surface. The initial pH of electro-deposition 

solution was 5.79 ± 0.01, and the final pH of electro-deposition solution was 5.97 ± 0.12 after a 3-

h electrodeposition. A four-point conductivity probe (Veeco, Plainview, NY) was used to measure 

membrane sheet resistance. Contact angle measurements were conducted using a contact angle 

goniometer (Model: 250, ramé-hart instrument co., Succasunna, NJ). A scanning electron 

microscopy (SEM, ZEISS, Supra 40VP SEM; Oberkochen, DE) equipped with an energy-

dispersive X-ray (EDAX) detector was used to characterize the membrane’s surface morphology 

and elemental composition. Linear sweep voltammetry (LSV), cyclic voltammetry (CV) and open 

circuit potential (OCP) measurements were conducted with a potentiostat (CH Instruments 6005E; 
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Austin, TX), with a Ag/AgCl electrode (Fisher brand) used as a reference. The pore size of the Ni-

CNT membrane was determined using SEM micrographs with ImageJ software. The OCP 

measured between a working electrode (WE) and reference electrode (RE) was 0.06 V, measured 

in a beaker with tap water, in which the distance between the WE and counter electrode (CE) was 

4 mm (similar to the distance in the membrane module). To determine the relative potential (vs. a 

Ag/AgCl RE), the potential difference between the WE (i.e., the membrane) and a CE (a platinum-

coated titanium sheet) was measured using a multimeter, while the voltage difference between the 

WE and the WE was read using a potentiostat (CH Instruments 6005E; Austin, TX). A summary 

of the different cell potentials and the corresponding relative cathodic potentials vs. a Ag/AgCl 

reference are provided in Table 4.2. 

 

4.2.3 Reactor and operations 

A modified crossflow filtration module was employed in all experiments, with details of this 

module described elsewhere [134, 147]. Briefly, the cell contained built-in titanium electrodes that 

supply an electrical potential to the membrane surface (and do not come into contact with the feed 

stream), which has an effective area of 40 cm2, and to a platinum-coated titanium counter electrode 

located 4 mm above the membrane surface [134, 147]. All membranes used in this study were 

initially compressed at 100 psi (i.e., 689 kPa) with a diaphragm pump (Hydra-Cell, MN) for at 

least 12 h before use. A gear pump (Cole-Parmer, IL, USA) with a flow rate of 11.3 ± 0.8 mL/s 

(corresponding to a cross-flow velocity of 7.0 ± 0.5 cm/s) was used to conduct the filtration 

experiments. In membrane performance tests, real tap water was used, while synthetic tap water 

was used when investigating the mechanistic aspects of the observed phenomena. Arsenic 

concentrations in groundwater vary greatly from one location to another, with a concentration 
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ranging from 0.5 to 5000 µg/L [32]. In our experiments, 750 µg/L As(III) were spiked into both 

real tap water and synthetic water solution; this concentration has been previously used in other 

studies investigating the removal of As(III) from water [129]. Due to differences in membrane 

permeance between the CNT and Ni-CNT membranes, to achieve comparable fluxes in these 

membranes 0.9 ± 0.1 psi (i.e., 6.2 ± 0.7 kPa) and 4.1 ± 2.9 psi (i.e., 28.2 ± 20. 0 kPa) were used 

for CNT (8.9 ± 1.0 L/(m2·h)) and Ni-CNT (9.1 ± 0.4 L/(m2·h)) membranes, respectively. For As(III) 

rejection in real tap water, experiments were conducted for 2 hours before samples at OCP (i.e., 0 

V applied) were collected; then, 3, 5, and 7 V cell potentials were sequentially applied to the 

membrane/counter current collectors with membrane as the cathode via an external power supply 

(model: KA3005P, KORAD brand, Shenzhen, China). A peristaltic pump (model: RF100, Greylor, 

FL, USA) was used for membrane backwashing at a pressure of 8 psi (i.e., 55.1 kPa). In scaling 

experiments, the system was run for 100 minutes with 7 V cell potential applied (membrane as 

cathode), followed by a 5-minute crossflow flushing and a 5-minute backwashing with DI water. 

All experiments were conducted in triplicate.  

 

4.2.4 Potential profile on the membrane surface 

It was reported that the overall resistance of a CNT thin film has a linear relationship with its length 

[148]. Therefore, a linear potential profile on the membrane surface can be calculated using the 

current and resistance of the membrane/electrode soaked in water. The current was measured with 

a multimeter. The resistance of the membrane soaked in solution was calculated using an 

equivalent circuit model, where the membrane and solution are recognized as resistors in parallel 

[132]. With this model, the total resistance was calculated using Kirchhoff’s Law:  
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1

Rtotal
=

1

Rmembrane
+

1

Rsolution
 

 

 

Where Rtotal, Rmembrane, and Rsolution represent the total system resistance, membrane resistance, and 

solution resistance, respectively. Because the solutions used in this work  (real and synthetic tap 

water) had a significantly lower conductivity (~0.04 S/m) than the CNT membranes (~2280 S/m), 

let alone Ni-CNT membranes (~29976 S/m), it is reasonable to assume that Rtotal is close to 

Rmembrane (i.e., 
1

Rsolution
 is ignored in Equation Resistance). 

 

The potential drop on the membrane was calculated with ohm’s law  

V = I ∗ Rtotal   

Where V is voltage drop (V), and I is the current (A) 

 

4.2.5 Models to predict pH on the membrane surface  

The pH on the membrane surface was simulated with COMSOL Multiphysics© using adaptive 

time-stepping, equilateral triangle mesh elements (mesh opening of 173.21 µm2), and periodic 

boundary conditions. The membrane was modeled as a planar electrode that generates OH- ions 

through the water electrolysis reaction: 

2H2O + 2e− → 2OH− + H2↑ 

The OH- generation rate was calculated from the cell current using Faraday’s equation: 

jOH =
i

zF
 

where jOH is the flux of OH-, z is the charge of OH-, i is the current, and F is Faraday’s constant. 

We assumed the distribution of OH- is only governed by Fick’s first and second laws:  

jOH = −DOH∇COH 
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∂COH

∂t
= DOH∇2COH 

where DOH is the diffusion coefficient of OH- (taken as 5.27e-5 cm2/s.[149]), and COH is the 

concentration of OH-. Consequently, the pH at the membrane surface can be calculated as the 

function of time (see Figure S3.2). Note that, for laminar flow conditions, the crossflow rate 

adjacent to the membrane surface is small,[150] and therefore, OH- transport through convection 

was not considered. In addition, due to the large potential drop [151] at the membrane/solution 

interface (i.e., owning to the formation of the electrical double layer, EDL), ion migration was not 

considered for simplicity. It is noted that oxygen reduction is occurring along the membrane. 

However, both oxygen reduction reactions (Equations S1 and S2) will not impact the Faradaic 

efficiency used to simulate the pH because the products of these oxygen reduction reactions are 

still OH-. 

 

4.2.6 Mineral speciation under different pH and cation concentrations 

Geochemists’ Workbench Student (14.0) was used to calculate magnesium species distribution 

versus pH and calcium concentrations; an open carbonate system was assumed.  

4.3 Results and Discussion 

4.3.1 Membrane characterization  

The electro-deposition of nickel imbued the black CNT UF membranes with a metallic sheen 

(Figure S4.1). The contact angle of a plain PS-35 membrane was reported as 49.2 ± 0.9 in our 

previous study [142], while the deposition of CNTs increased the contact angle to 113.7 ± 6.0 

(Figure 4.1A), due to the hydrophobicity of CNTs [142]. However, the electro-deposition of nickel 

decreased the contact angle to 68.2 ± 1.6 (Figure 4.1B), which corresponds well with previous 

reports [145]. The CNTs formed a porous network with pores ranging in diameter between 10 to 
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100 nm [142], and our previous research suggests that it is the PS-35 UF support, rather than the 

CNT network, that governs the composite material’s rejection [142], which has a mean pore size 

of 17 nm [152]. The Ni-CNT network has a mean pore size of 11 nm, measured from the SEM 

micrograph (Figure 4.1B). However, nickel didn’t form a dense film, and as a result, the CNT 

network was still visible after the electro-deposition step (Figure 4.1B). Although nickel reduced 

the membrane’s water permeance from 8 L/(m2·h)/psi (i.e., 1.2 L/(m2·h)/kPa) to 2 L/(m2·h)/psi 

(i.e., 0.3 L/(m2·h)/kPa)), nickel deposition dramatically decreased the electrical resistivity of the 

membranes from 73.1 ± 7.1 ohms/square to 5.6 ± 5.5 ohms/square. This decreased electrical 

resistance causes a significantly reduced potential drop across the membrane compared to CNT 

UF membranes (Figure 4.1D), which was calculated based on current density measurements 

acquired during the real tap water test (section 3.2). The detailed discussions are described in SI. 

We note that the potential drop differences between Ni-CNT UF and CNT UF membranes 

increased with increasing potential (Figure 4.1D) due to the larger current densities at higher 

potentials. In addition, the lower resistance of Ni-CNT UF membranes compared to CNT UF 

membranes resulted in a higher current density, as measured by LSV in tap water (Figure 4.1E). 

CV curves revealed that Ni-CNT UF membranes experienced a lower water electrolysis onset 

potential and higher currents compared to the CNT UF membranes, likely because of the catalytic 

properties of the deposited nickel towards the HER (Figure 4.1F) [144]. 
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Figure 4.1. SEM micrograph of the membrane surface and contact angle (inset) of A) CNT UF 

and B) Ni-CNT UF membranes; C) Cross-sectional SEM micrograph of a Ni-CNT UF membrane; 

D) predicted potential drop on the surface of CNT UF and Ni-CNT UF membranes E) LSV of Ni-

CNT UF and CNT UF in tap water, scan rate: 0.1 V/s; F) CV of Ni-CNT UF and CNT UF in 0.1 

M NaClO4 solution, scan rate: 0.2 V/s. As CV was used to probe the onset of water electrolysis on 

Ni-CNT UF and CNT UF membranes, NaClO4 was chosen as a supporting electrolyte during the 

CV experiments due to its chemical and electrochemical inertness (Elgrishi et al., 2017). 
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4.3.2 As(III) removal performance and mechanism 

To test As(III) removal by CNT UF and Ni-CNT UF membranes in real water samples, 750 µg/L 

of As(III) (sodium (meta) arsenite) was spiked into Los Angeles tap water. It is noted that tap water 

in Los Angeles is a blend composed of groundwater and surface water. In addition, our tap water 

has bicarbonate concentrations (shown in Table 4.1) that fall within the range associated with 

groundwater [153]. Therefore, it is reasonable to use this tap to represent ground water. To 

investigate the removal mechanisms, As(III) removal and arsenic speciation (i.e., As(V) and 

As(III)) were evaluated in different synthetic salt solutions (e.g., Na2SO4, NaCl, and a mixture of 

Na2SO4, MgSO4, and CaSO4) that had similar conductivity (404.9 ± 3.6 S/cm) to real tap water 

(358.0 ± 0.9 S/cm). In tap water tests, experiments were run for 2 hours before samples were 

collected at OCP to investigate As(III) removal of the uncharged membranes. Then, 3, 5, and 7 V 

cell potentials (membrane as cathode) were sequentially applied, with each potential being applied 

for 30 minutes. Under OCP conditions, As(III) removal by the CNT UF membrane was 8.9% ± 

1.7% (Figure 4.2A), suggesting that sorption could remove a limited amount of As(III). This 

corresponds with previous CNT adsorption studies, which showed that CNTs have a limited 

adsorption capacity towards As(III) (i.e., 13.5 µg/g) [154].  

 

Negative potentials applied to the CNT UF membranes significantly increased As(III) rejection, 

with rejection increasing with an increase of the applied potential (Figure 4.2A). With a low 

operating pressure (i.e., 0.9 ± 0.1 psi (i.e., 6.2 kPa ± 0.7 kPa), 8.9 ± 1.0 L/(m2·h)), CNT UF 

membranes achieved As(III) removal as high as 72.6% ± 5.1% when 7 V was applied; lower 

potentials yielded lower rejection (Figure 4.2A), but these rejection values were still significantly 

higher than As(III) rejection reported for by the majority of high-pressure NF or RO membranes 
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(Figure 4.2B and Table 4.3). The flux of the CNT UF membranes slightly increased with an 

increase in potential (i.e., when the applied cell potential was > 5 V in Figure 4.2C), likely because 

the applied potential increased the local pH, which further deprotonated carboxyl groups on the 

CNTs and made the membrane more hydrophilic. Over time, higher potentials led to flux decline 

(93.4% ± 10.3% of original flux) due to scaling caused by the high local pH. It is noted that the 

pH of the feed is supposed to be constant because all the permeate was returned to the feed. 

However, the feed pH slightly dropped from 7.69 to 7.23 over the course of the experiment, likely 

due to the precipitation of Mg(OH)2 on the membrane surface. 

Ni-CNT UF membranes further enhanced As(III) rejection in tap water to 93.3% ± 3.9% when a 

cell potential of 7 V was applied, with a flux of 9.1 ± 0.4 L/(m2·h) (operating pressure: 4.1 ± 2.9 

psi (i.e., 28.2 ± 20.0 kPa)) (Figure 4.2A), which is close to the minimum removal (i.e., 98.7% for 

750 µg/L As(III)) needed to achieve the MCL (10 µg/L) as set by the EPA. It is worth noting that 

we tested our membranes under highly challenging conditions (i.e., >90% of total arsenic was in 

As(III) form). These conditions only occur in 29 of 65 wells investigated across the USA [131], 

while As(V) is the predominant arsenic species in 31 of 65 wells [131]. Considering that As(V) is 

much easier to be removed than As(III) by membranes [32], that As concentrations ranged between 

19 – 89 µg/L in the US well water survey, and that we could remove 93.3% ± 3.9% of As(III), it 

is reasonable to expect that the MCL could be achieved by our membranes in most of cases [131]. 

The flux through the Ni-CNT UF membrane declined with increasing cathodic potentials (Figure 

4.2C). This is likely a result of mineral scaling that forms on the membrane surface – a result of 

the locally elevated pH conditions. 
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The low As(III) rejection achieved by conventional UF/NF/RO membrane processes is due to the 

uncharged form of As(III) (H3AsO3) in most natural systems (the first pKa of H3AsO3 is 9.23[52]) 

[155]. However, the application of cathodic potentials increases the local pH on the CNT UF and 

Ni-CNT UF membrane surface, as evident by the elevated pH of the permeate (pH of 10.9 ± 0.1 

and 11.8 ± 0.1 for the CNT UF and Ni-CNT UF, respectively). This pH is higher than the first pKa 

of As(III) (i.e., 9.23), converting H3AsO3 to its charged form, H2AsO3
-. This ionic form of As(III) 

(i.e., H2AsO3
-) is rejected by the negatively charged membranes due to powerful electrostatic 

repulsive forces induced by the applied potential [142]. Importantly, the pH at the membrane/water 

interface is likely higher than these values, but is impossible to be measured directly. Based on our 

simulations (section 2.5), the pH at the membrane surface was close to 13 (Figure S4.2). This pH 

is near/above the second pKa of H3AsO3 (i.e., 12.13), potentially leading to the formation of 

HAsO3
2-, whose increased negative charge would enable even more efficient electrostatic 

repulsion and higher rejection. 

 

In addition to transforming As(III) to its charged form, the elevated pH conditions along the 

membrane surface led to the precipitation of metal hydroxides and carbonates (e.g., Mg(OH)2, 

CaCO3), evident by the flux decline at higher applied potentials (Figure 4.2C), which was 

particularly apparent when the Ni-CNT UF membranes were tested. However, metal hydroxides 

can play an important role in arsenic removal. Fig. 2D shows As(III) rejection by CNT UF 

membranes under different synthetic salt solutions having similar conductivity to tap water. The 

presence of Mg and Ca in the feed significantly enhanced the rejection of As(III) (Figure 4.2D). 

We speculate that this is because precipitates formed by Mg/Ca (e.g., CaCO3 and/or Mg(OH)2) 

can adsorb As(III). The Geochemist Workbench software package predicted that Mg(OH)2 was 
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the dominant mineral formed on the surface of the membrane (i.e., when pH was over 10.5, and 

the concentrations of Mg2+ and Ca2+ were 10 ppm and 50 ppm, respectively) (Figure 4.2E). 

Therefore, we hypothesize that Mg(OH)2 is the main species responsible for arsenic adsorption. 

Previous studies have reported that Mg(OH)2 is an effective sorbent for both As(V) and As(III) at 

high pH (i.e., pH = 11) [156]. A previous study has also shown that nanostructured MgO has a 

high removal capacity for arsenic [157]. EDX analysis of a scaled membrane surface confirmed 

that the accumulated scale was primarily composed of Mg-containing minerals (Figure S4.3B&D). 

It is possible that competing ions (e.g., phosphate) could influence the adsorption of arsenic [158]. 

However, the concentration of phosphate was low in the tap water (Table 4.1). In addition, As(III) 

rejection in the presence of NaCl was slightly lower than that in the presence of Na2SO4 (Figure 

4.2D), which is possibly because reactive chlorine species (RCS) formed on the anode compete 

with the water reduction reaction on the cathode [117], which led to a lower pH along the 

membrane that reduced As(III) ion formation. 

 

The conversion of As(III) to As(V) is desirable because As(V) is less toxic and mobile than As(III) 

[159]. As(III) may be directly oxidized on the anode or oxidized by RCS, or other oxidizing agents, 

formed on the anode or cathode [117]. In the presence of chloride ions (i.e., in the NaCl solution), 

As(V) concentrations in the feed increased from 18% ± 4% to 30% ± 3% from 30 min to 1 h 

(Figure 4.2F), while As(V) levels only increased slightly from 14% ± 1% to 17% ± 3% when the 

feed was Na2SO4 (Figure 4.2F). This indicates that direct oxidation of As(III) by the platinum-

coated titanium anode was slow, and RCS produced from chloride oxidation were largely 

responsible for the oxidation of As(III) in the bulk feed [117].  
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Interestingly, nearly 100% of arsenic in both Na2SO4 and NaCl feed solutions was oxidized to 

As(V) in the permeate (Figure 4.2F), indicating that As(III) was primarily oxidized to As(V) as it 

passed through the cathodic membrane rather than at the anode or in the bulk feed (e.g., by RCS). 

This is counter-intuitive as reduction reactions are typical on the cathodic membranes. We 

speculate that hydrogen peroxide, produced through the electroreduction of oxygen, was 

responsible for the oxidation of As(III) to As(V) [160]; we measured approximately 50 µg/L H2O2 

in the permeate. Oxygen, the precursor of hydrogen peroxide, could come from the air or the anode, 

where water splitting reactions produce oxygen, and oxygen can diffuse to the cathode [117]. 

Oxidation of As(III) by electrochemically generated H2O2 on a cathode was first observed and 

studied by Qian et al. in 2015, who noted that high pH, the presence of humic acid, HCO3
-, Ca2+, 

and Mg2+ could enhance the oxidation process [160]. Since these conditions are commonly found 

in drinking water sources, this mechanism can explain the conversion of As(III) to As(V) as the 

compounds move through the membrane/cathode. Unfortunately, it is impossible to rule out the 

possibility that oxidization of As(III) to As(V) occurs during preparation of ICP-MS samples (i.e., 

stabilizing samples with 5% nitric acid). The presence of oxygen is inevitable because the oxygen 

evolution reaction occurs on the anode, and this gas may diffuse to the cathode. Therefore, 

experiments in zero-oxygen conditions are difficult to accomplish. Also, our results indicated that 

As(V) wasn’t reduced to As(III) by our cathodic membranes, likely because of As(V)’s 

electrochemical inactivity [161].  

 

It is noted that nickel layer on the top of CNTs is a mixture of Ni(0) and Ni(OH)2[144]. Ni(OH)2 

is reported to be stable in the presence of H2O2 [162], and Ni(0) is also highly resistant to H2O2 in 

neutral or alkaline conditions [163]. Importantly, there is a highly reductive and alkaline 
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environment around the Ni-CNT UF membranes, as we are applying cathodic potentials, 

suggesting that the leaching of Ni2+ is highly unlikely. Also, a recent study found that little Ni 

dissolved at pH 12 after 50 h operating with a Ni activated carbon cathode [164]. Therefore, it is 

reasonable to conclude that Ni-CNT UF membranes are resistant to trace H2O2 formed in the 

cathode. 
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Figure 4.2. A) The rejection of As(III), and the pH of the permeate in real tap water under different 

applied potentials; B) As(III) rejection and permeance achieved by various membranes as reported 

in previous studies, as well as by the membranes explored in this study;  C) normalized flux at 

various applied cell potentials in real tap water; D) rejection of As(III) by CNT UF membranes in 

different salt solutions that had similar conductivity (i.e., ~400 S/cm) to real tap water, when 5 V 

cell potential was applied; E) predicated Mg speciation with different pH and calcium 

concentrations in an open carbonate system F) changes in arsenic speciation in the feed and 

permeate with NaCl and Na2SO4 solutions. CNT UF membranes were used and 5 V (cell potential) 

was applied. The CNT-UF membranes were used in D and F to rule out the possible impacts of 

flux decline on As(III) removal. 

4.3.3 Scaling and cleaning 

While electroactive membranes have been demonstrated to be able to prevent multiple forms of 

fouling, including biofouling [141], and organic fouling [142], the application of high cathodic 

potentials, such as were used here to achieve good rejection, inevitably lead to the formation of 

mineral scaling (by Mg(OH)2 and CaCO3) on the membrane surface (Figure 4.3). Sequential 

testing of a Ni-CNT UF membrane to remove As(III) from tap water showed a 36% ± 15% decline 

in flux after 300 minutes (Figure 4.3A). A 5-minute backwash and a 5-minute crossflow with DI 

water could recover the membrane flux for three sequential cycles (Figure 4.3A). However, the 

flux decline in each of these sequential cycles was more rapid than the first round, with flux 

declining by approximately 46% ± 3% (average decline of 2nd, 3rd, and 4th run) within 100 minutes, 

indicating that the cleaning process led to incomplete scale removal. More rigorous chemical 

cleaning (e.g., a periodic weak acid rinse under cathodic protection[165]) would likely be needed 

to completely recover the membrane surface. It is critical to note that the backwash water is toxic 
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as it contains arsenic adsorbed by magnesium hydroxide. It has been reported that such materials 

(arsenic sorbed onto Mg(OH)2) can be used as additives in cement manufacturing, where they can 

be safely sequestered in concrete products [166].  

 

 

Figure 4.3. Normalized flux change during different runs 

 

4.3.4 Economic analysis 

The treatment costs of arsenic in drinking water are highly dependent on the dominant As species 

and the technology used, and span a very wide range - between near-zero (e.g., laterite absorption) 

to as high as $70/m3 [167]. Several highly affordable engineering methods (e.g., coagulation and 

flocculation) are available to effectively remove As(V) under normal drinking water conditions. 

However, there are few options to cheaply remove As(III) directly (i.e., without pre-oxidization 
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steps), particularly using point-of-use applications. For example, even household RO, considered 

by many as the gold-standard of point-of-use systems, can only achieve 50% As(III) removal [130], 

with other treatment technologies, such as NF, achieving even lower removal. In contrast, our 

electroactive UF membranes are highly effective at removing As(III). As a result, it is not straight-

forward to compare the treatment costs of water dominated by As(III) contamination.  

 

In our treatment system, the additional cost of electricity plays an important role in the overall 

operating cost of the process, with increasing energy associated with higher voltages; these higher 

voltages also enable higher rejection of As(III) (Figure 4.2A). In other words, the energy required 

to achieve acceptable permeate As(III) concentrations (i.e., 10 µg/L) increases linearly with 

increasing As(III) concentrations in the feed stream (Figure 4.4); in this figure, the required energy 

to reduce the permeate concentration to below 10 µg/L was calculated based on the experimental 

data presented in Figure 4.2A. To account for the average lower flux caused by the membrane 

fouling, we assumed that the average flux is 60% of the initial flux, which is the average flux 

during the 4 experimental runs. In addition, based on a recent EPA study, contaminated well water 

in the USA contains anywhere between 0.3-68 µg/L As(III) [131]. Based on these initial 

concentrations and an average flux (i.e., 60% of the initial flux), the energy required to treat this 

water ranges between 1.94 kWh/m3 for the case where the initial concentration is just above the 

maximum allowable limit (11 µg/L), to 12.00 kWh/m3 if the As(III) concentration is 68 µg/L. 

Based on the average cost of household electricity in the USA ($0.167/kWh for the USA West 

Coast), the additional electrical costs range between $0.32/m3 and $2.00/m3. In addition, this cost 

is highly sensitive to flux [134] (e.g., the additional electrical costs could drop to between $0.09/m3 

(i.e., 0.57 kWh/m3) and $0.59/m3 (i.e., 3.56 kWh/m3) if the initial flux increased to 27 L/(m2·h), 
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which is a reasonable flux for a UF process). Few studies report the total cost (i.e., the sum of 

capita and operating costs) of a household UF system; a single study reports that the total cost of 

a household UF treatment system is approximately $0.10/m3 of product water [168], but the system 

contains a hand-pump and is not particularly relevant when pressurized water lines are available 

(as is the case in the vast majority of the developed world). It is reported that the cost of household 

RO system is as high as $3.4/m3 of product water [169], while the cost of industrial-scale RO-

treated water ranges from 0.38 to 0.52 $/m3 of produced water [133]. If we assume that the cost of 

household UF scales similarly to household RO (the ratio of household RO cost to industrial RO 

costs ($3.4/m3 to $0.45/m3), we can estimate the cost of a household UF system from the cost of 

an industrial UF drinking water treatment plant (i.e., $0.28/m3) [134]. Therefore, the total cost of 

a household UF system is estimated at $2.1/m3. Considering an additional energy-related operating 

cost of $0.35/m3 (i.e., 2.07 kWh/m3), calculated assuming an initial As(III) concentration of 39.50 

µg/L (i.e., the mid-point between 11 µg/L and 68 µg/L), and additional material cost (i.e., from 

the addition of CNTs and nickel) of approximately $0.03/m3 (assumes membrane could be used 

for 1 year - see detailed calculations in the SI), the total cost (i.e., operating and capital cost) of 

using household Ni-CNT UF membranes to treat arsenic contaminated water is $2.48/m3. It is 

noted that the majority of this cost is from the capital costs of a household UF membrane system, 

This cost will be significantly lower for industrial UF systems. While this number is speculative, 

it does provide a framework for the solution of As(III) removal at the household level. It is critical 

to note that the solution proposed here is, to the best of our knowledge, the only technological 

solution capable of removing As(III) at a household level without pre-oxidizing As(III). The 

oxidation of As(III) to As(V), needed to enable other treatment technologies, adds another layer 

of complexity and cost to the process. 
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Figure 4.4. The required energy/power to achieve allowable permeate As(III) concentration (i.e., 

10 µg/L) under different initial As(III) concentrations; data points were interpreted from Figure 

4.2A. 

 

4.4 Conclusion   

This study demonstrates an effective, membrane-based, low pressure As(III) removal technology. 

OH- ions, produced locally on the membrane surface, transform neutral H3AsO3 to its ionic forms 

(H2AsO3
-/HAsO3

2-) that are effectively rejected by negatively charged Ni-CNT UF or CNT UF 

membranes. In addition, Mg(OH)2 precipitates on the membrane surface further adsorb As(III), 

which increases removal. Importantly, nearly all As(III) passing through the membrane is oxidized 

to As(V) (transformed by hydrogen peroxide produced on the cathodic membranes), which 

y = 0.1058 x
R2 = 0.9942

y = 0.0038 x
R2 = 0.9942
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decreases arsenic’s mobility and toxicity. Mineral scaling formed on the membrane could be 

partially removed by physical cleaning (backwash and cross-flushing), but more rigorous chemical 

cleaning (e.g., an acid rinse) would likely be needed periodically to completely recover the 

membrane surface.  

 

Table 4.1 Ion concentrations in real tap water 

a ND means the concentration is lower than the detection limit (10 µg/L Br- and 20 µg/L PO4
-) 

 

 

 

 

 

Ions Concentration (ppm) 

Na+ 40.6 ± 0.9 

K+ 3.9 ± 0.3 

HCO3
- 46.0 ± 4.1 

Ca2+ 15.3 ± 1.2 

Mg2+ 8.1 ± 0.4 

F- 0.8 ± 0.1 

Cl- 38.2 ± 2.3 

SO4
2- 30.3 ± 2.2 

NO3
- 1.7 ± 0.2 

Br- 

PO4
- 

NDa 

NDa 
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Table 4.2. Cell potential and cathodic potential vs. Ag/AgCl reference electrode 

Cell potential (V) 

Cathodic potential vs. 

Ag/AgCl Reference (V) 

Current Density(mA/cm2) 

3 -1.3 ± 0.31 0.39 ± 0.03 

4 -2.0 ± 0.2 0.78 ± 0.01 

5 -2.6 ± 0.3 1.15 ± 0.05 

7 -3.9 ± 0.3 2.09 ± 0.10 
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Table 4.3. The rejection of As(III) reported in literature and in this study 

Rejection Water 

Permeance 

L/(m2·h)/psi 

(L/(m2·h)/kPa) 

Initial 

As(III) 

(µg/L) 

Pressure 

psi 

(kPa) 

Feed pH 

Flux 

(L/(m2·h)) 

Ref 

5% STW 

0.36 

0.05 

325 

80 

(551) 

8.1 28.8 [127] 

10% STW 

0.36 

0.05 

100 

80 

(551) 

8.1 28.8 [127] 

10% STW 

0.80 

0.12 

100 

20 

(137) 

4 and 6 16.0 [126] 

15% STW 

0.36 

0.05 

50，100 
80 

(551) 

8.1 28.8 [170] 

20% STW 

0.36 

0.05 

10 

80 

(551) 

8.1 28.8 [170] 

20% STW 

0.03 

0.004 

50 

109 

(16) 

3, 5, and 7 2.9 [171] 

20% STW 

0.30 

0.04 

100 

53 

(365) 

4,6, and 8 16.0 [126] 

20% STW 

0.13 

0.02 

100 

119 

(819) 

4,6, and 8 16.0 [126] 

20% STW 

0.80 

0.12 

100 

20 

(138) 

8 and 10 16.0 [126] 

20% STW 

0.80 

0.12 

100 

20 

(137) 

10 16.0 [126] 

40% STW 

0.03 

0.004 

50 

109 

(751) 

10 2.9 [171] 

40% STW 

0.30 

0.04 

100 

53 

(365) 

10 16.0 [126] 

40% STW 

0.13 

0.02 

100 

119 

(819) 

10 16.0 [126] 
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60% STW unknown 800 

290 

(1998) 

3.1 unknown [129] 

60%~70% STW unknown 200 

290 

(1998) 

2-10 unknown [129] 

70% STW 

0.04 

0.006 

50 

109 

(751) 

3, 5, and 7 4.3 [171] 

73% STW 

8.90 

1.29 

20 

1 

(7) 

6.57 8.9 This  

73% RTW 

8.90 

1.29 

750 

1 

(6.89) 

7.69 8.9 This 

70%~80% STW unknown 200 

290 

(1998) 

2-10 unknown [129] 

80% STW unknown 800 

290 

(1998) 

3.1 unknown [129] 

90% STW 

0.04 

0.006 

50 

109 

(751) 

10.5 4.3 [171] 

92.50% RTW 

0.01 

0.001 

12 

507 

(3493) 

9.5 7.1 [129] 

93% STW 

0.19 

0.03 

100 

83 

(572) 

4,6, and 8 16.0 [126] 

93% STW 

8.90 

1.29 

750 

1 

(7) 

6.57 8.9 This  

93% RTW 

2.22 

0.32 

750 

4.1 

(28) 

7.69 9.1 This  

96% STW 

0.19 

0.03 

100 

83 

(572) 

10 16.0 [126] 

STW represent synthetic tap water, while RTW represents real tap water or real ground water.  
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Chapter 5: Conclusion 

This dissertation discussed the detection and removal of heavy metals in water with 

electrochemical methods. In chapter 1, we briefly discussed water scarcity and heavy metal 

pollutants in water. Further, we discussed that the advantages and limitations of several advanced 

heavy metal measurement techniques, including ICP-MS/OES and AAS. Importantly, these heavy 

metal measurement techniques require dedicated staffs and grab sampling, indicating that they are 

not appropriate to be used for highly frequent sample measurements. Anodic stripping 

voltammetry (ASV) is one of the most promising rapid heavy metal measurement techniques, 

however, only free metals are ready for ASV measurements. Unfortunately, most of heavy metals 

in water, especially in complex water streams, would complex with other compounds and prevent 

them being detected by ASV. 

 

To enable the electrochemical detections of lead (Pb(II)), cadmium (Cd(II)), and arsenic (As(III)), 

chapter 2 firstly systematically characterized the dynamic and evolving size and partitioning 

behavior of Pb(II), Cd(II), and As(III) throughout the wastewater treatment train (WWTT). Metal 

concentrations were determined in three size fractions (>0.45 m, 0.45 m – 5 kDa, and <5 kDa), 

and the partitioning/complexation of the metals was quantified for the <0.45 m fraction. Most of 

Cd(II) and As(III) could pass through 5 kDa membranes, indicating that Cd(II) and As(III) were 

highly mobile. However, over 50% of Pb could not pass through 0.45 m membranes, indicating 

that half Pb was complexed with particles that have size larger than 0.45 m. Partitioning results 

show that Pb(II) was mainly complexed with carbonate particles, while As(III) and Cd(II) were 

exchangeable.  
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Based on aforementioned information, in chapter 3 we developed processing methods that enable 

the detection of heavy metals using anodic stripping voltammetry. Heavy metals-containing 

MWW is pre-treated by either vacuum ultraviolet (VUV)/H2O2 (i.e., for Cd measurement) or a 

strong acid (i.e., for Pb measurements), which releases the bound HMs. HMs are then accurately 

detected and quantified using anodic stripping voltammetry.  

 

Lastly, in chapter 4 we fabricated highly conducting ultrafiltration (UF) membranes for effective 

As(III) rejection due to high mobility of As(III). These membranes consist of a hydrophilic nickel-

carbon nanotubes layer deposited on a UF support, and used as cathodes. Applying cathodic 

potentials significantly increased As(III) rejection in synthetic/real tap water. This high As(III)’s 

rejections resulted from locally enhanced pH caused by water splitting reactions at 

water/membrane interface. Specifically, high pH converted H3ASO3 to H2AsO3
-/HAsO3

2, and 

these negative-charged arsenic ions were rejected by membranes that have a high negative charge 

density. Also, we found that the precipitations, which are mainly Mg(OH)2, could contribute to 

As(III) removal. Importantly, tracing As(III) passing through the membrane has been oxidized to 

As(V) by hydrogen peroxide in the permeate. 
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