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ABSTRACT OF THE DISSERTATION
Plastic as a Vector for Pollutants in Estuarine and Marine Environments
by
Scott L. Coffin
Doctor of Philosophy, Graduate Program in Environmental Toxicology
University of California, Riverside, December 2018
Dr. Daniel Schlenk, Chairperson

Plastic is increasing in abundance in nearly every possible aquatic environment
worldwide. Once in an aqueous environment, plastic can release estrogenic additives and
toxic sorbed contaminants to biota via leaching and ingestion. Ultra-violet (UV) radiation
and saltwater can enhance the desorption of additives and contaminants. Additionally,
plastic can release chemicals at enhanced quantities under gut conditions. Plastic’s ability
to cause harm to fish through the leaching of additives and sorbed contaminants in a
highly plastic-polluted sensitive estuarine environment was investigated using in vitro
and in vivo bioassays coupled with targeted chemical analysis. Ocean-recovered and UVirradiated plastic released leachates that were biologically active in larval Japanese
medaka (Oryzias latipes) fish, with confirmation of estrogenic and aryl hydrocarbon
receptor activity in vitro as well as targeted analytical chemistry. Plastic’s ability to
transfer estrogenic additives via ingestion was investigated by simulating the digestion of
viii

plastic for fish, seabird and invertebrates using a range of plastic sizes and types. All
simulated gut conditions enhanced the desorption of estrogenic plastic additives, with
smaller sizes desorbing greater quantities from polystyrene. Estrogenic activity of plastic
gut extracts, as measured using an in vitro bioassay, correlated poorly with chemical
estimates of estrogenicity, suggesting that non-targeted chemicals may be responsible for
the biological activity. Finally, the ability of plastic to transfer the cardiotoxic and
visually-impairing pollutant benzo(a)pyrene (BaP) to developing pelagic fish species was
examined. Juvenile White seabass (Atractoscion nobilis) that ingested BaP-sorbed
polystyrene over 5 days did not display significant signs of exposure to BaP through the
measurement of enzyme activity nor through behavioral assays designed to detect
impairments in visual function. Results from these experiments suggest that plastic may
cause harm to biota through the release of estrogenic plastic additives through various
routes of exposure, including aqueous dermal uptake and ingestion. The transfer of
adsorbed toxic contaminants to fish through ingestion of micron-sized polystyrene may
not be of high concern due to the lack of significant effects observed in exposed White
seabass fish.
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Chapter 1: Introduction
Synthetic plastic polymers or “plastics”, have been found in nearly every possible
aquatic environment worldwide, including oceans (Moore et al., 2001), beaches
(Oigman-Pszczol and Creed, 2007), estuaries (Zhao et al., 2014), bodies of freshwater
(Eerkes-Medrano et al., 2015), subalpine lakes (Sighicelli et al., 2018), deep sea
sediments (Van Cauwenberghe et al., 2013) and even remote arctic ice (Amélineau et al.,
2016). Plastic is estimated to comprise between 60-95% of marine litter in the ocean
(Moore, 2008) and is projected to outweigh fish in the ocean by the year 2050, assuming
no change to the current rate of input into the ocean (Forum, 2016). The accumulation of
plastic in the world’s oceans causes a variety of negative repercussions, including harm to
ecosystems, human health and global economies (Newman et al., 2015; Rochman et al.,
2016a, 2015). Concerns over the threat of widespread plastic waste to marine life were
announced in 2015 by the United Nations Environment Program (UNEP and NOAA,
2015). Scientific investigations on plastic marine debris have grown rapidly in the last
decade (Web of Science citation search for “microplastic” and “macroplastic”, Figure
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1.1); however, many questions remain regarding the harm plastic causes to both marine
and freshwater ecosystems.

Figure 1.1. Publications per year with keywords “Microplastic” and “Macroplastic.Web
of Science search, November 19, 2018.
Plastic Marine Debris
Plastic has been entering the marine environment in steadily increasing quantities
over the last half century. In the past 60 years, the production of plastic has increased
560-fold, and is projected to increase 4-fold by 2050 (Figure 1.2) (Geyer et al., 2017;
Rosevelt et al., 2013; Thompson et al., 2004). Since approximately 5% of plastic
produced worldwide is recovered (Moore, 2008), it is estimated that between 4.8 and
12.7 million metric tons of plastic waste enters the oceans each year (Jambeck et al.,
2015). Once plastic products have entered the marine environment, they are subjected to
degradative processes from solar radiation (at the surface), embrittlement, and
fragmentation by wave action, thus reducing their size but increasing their overall particle
count (Andrady, 2011). Degradative processes of some plastic types are slow, allowing
fragments to persist in the marine environment for tens to thousands of years (Andrady,
2011; Barnes et al., 2009; Boustead, 1998; Moore, 2008). Plastic that is less than 4.75
2

mm in diameter is termed “microplastic,” and has received enhanced attention due to its
likelihood to be ingested by marine biota (Setälä et al., 2014). While most marine plastic
debris particles derive from fragmentation of larger items, some microplastics are
manufactured directly, such as exfoliates in cosmetics (also known as “microbeads”)
(Napper et al., 2015). While negatively-buoyant plastic generally resides in deep-sea
sediments (Woodall et al., 2014), other portions are cycled through the food chain
(Davison and Asch, 2011; Desforges et al., 2015; Lavers et al., 2014), continuously
redistributed through the ocean in the form of marine snow (Zhao et al., 2017),
transported back to land; sometimes on beaches of remote, mid-ocean islands (Ivar do Sul
et al., 2013), or even frozen in polar icecaps (Obbard et al., 2014).

Figure 1.2. Cumulative plastic waste generation and disposal. Solid lines show historical
data (in million metric tons) from 1950 to 2015, dotted lines show projections based on
historical trends. Figure from Geyer et al. (2017).
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The concept of “patches” of marine debris has been propagated in the media since
the discovery of the “Great Garbage Patch” in the North Pacific Gyre by Captain Charles
Moore in 1997 (Moore and Allen, 1998). However, this paradigm of “islands of trash
twice the size of Texas” has begun to shift with recent surveys of the distribution and
composition of marine plastic debris. A recent study compiling data from 24 expeditions
between 2007-2013 across five sub-tropical gyres discovered that plastic pollution, while
not homogenous, is ubiquitous in the marine environment and is dominated largely by
small pieces (>4.75 mm) (Figure 1.3)(Eriksen et al., 2014). Consequently, marine plastic
debris may be more accurately described as “plastic smog” than as “garbage patches.”

Figure 1.3 Model estimates for global count density of plastics (pieces km-2) in four size
classes.Data from 24 expeditions, totaling 680 surface net tows and 891visual transects of
large plastic debris was used with an oceanographic model to estimate the prevalence and
amount of plastic in the marine environment. While some areas represent higher densities
than others, relatively few regions are without the presence of marine debris. Figure from
Eriksen et. al (2014).
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Sources and Pathways of Plastic Marine Debris
Land-based sources are considered to be the most substantial contributor to plastic
debris in the oceans (Jambeck et al., 2015). The relative role of rivers in transporting
plastic into the ocean is disputed, with one model estimating that rivers transport 3-19%
of plastic into the ocean (Lebreton et al., 2017), while another model estimates between
88-95% (Schmidt et al., 2017). Primary microplastics, or plastic that is manufactured
with a diameter smaller than 4.75mm, such as microbeads in facial cleansers, toothpaste
or scrubs, or fibers from synthetic clothing, primarily enter the marine environment
through domestic and industrial drainage systems and wastewater treatment plants (Cole
et al., 2011; Murphy et al., 2016). Another significant source of microplastics from land
are fragmented pieces transported to sea from waste dumps (Alomar et al., 2016).
Due to plastic’s ubiquitous nature, propensity for long-range transport, small size
and fragmentation, tracing debris to a source once it reaches the marine environment is
very difficult. Subsequently, efforts to quantify the amount of plastic that enters the ocean
by specific countries have relied on estimates of total “mismanaged waste.”
“Mismanaged waste” is defined as material that is inadequately disposed of, including
disposal in open, uncontrolled landfills or littering (Jambeck et al., 2015). The amount of
annual input of plastic to the world’s oceans from waste generated by global coastal
populations was estimated by Jambeck et al. (2015) (Figure 1.4). In 2010, an estimated
4.8 to 12.7 million metric tons of plastic waste entered the ocean, which is equivalent to
1.7 to 4.6% of the total plastic waste generated that year (Jambeck et al., 2015). The
amount of plastic input to the oceans is most dependent on the way in which it is
managed. For instance, in 2010, the United States was the second largest generator of
5

plastic waste (37.8 million tons) next to China (59.1 million tons). However, China was
estimated to contribute 27.7% of global marine plastic, while the United States was
estimated to contribute 0.86% (Jambeck et al., 2015). The largest market sector for
plastics worldwide is for plastic resins designed for packaging, which are meant to be
used a single time then immediately be disposed of (termed “single-use”)
(PlasticsEurope, 2016). Therefore, efforts to reduce plastic inputs to the marine
environment should focus on enhancing management of waste and reducing the total
amount of waste generated, likely starting with the largest sector of plastic, which are
single-use plastics.

Figure 1.4. Estimated mass of mismanaged plastic waste available to enter the ocean by
country. Countries are shaded based on the amount of estimated mass of mismanaged
waste (millions of metric tons) generated in 2010 by populations living within 50 km of
the coast. 192 countries were considered. Figure from Jambeck et al. (2015).
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Economic Impacts of Plastic Marine Debris
Plastic marine debris causes economic harm through impacts to tourism,
aquaculture, commercial shipping and government cleanup efforts (Newman et al., 2015).
The annual cost of removing litter from beaches in the Western United States alone is
estimated to be $500 million (Stickel et al., 2012). Taking into account several adverse
biological and ecological effects, plastic is estimated to cause $13 billion in damage to
the world’s economies each year, according to a 2014 report from the United Nations
Environment Program (UNEP, 2014). Plastic is also reported to undermine psychological
benefits that coastal environments ordinarily provide, which likely incurs a cascade of
economic repercussions (Wyles et al., 2016).
Public Perception and Management of Plastic Waste
Since the 1970’s, and particularly since the early 2000’s, there has been a
major shift in public perception surrounding the use of plastics, especially single-use
items. Single-use plastic was once seen as a savior for the modern housewife, with a 1955
LIFE magazine cover celebrating “Throwaway Living” (LIFE, 1955). In contrast,
recently researchers are calling to treat plastic as a hazardous material (Rochman et al.,
2013a). Although researchers have been documenting interactions between plastic and
marine organisms as early as the 1960’s, public interest in the issue has lagged behind.
One of the first reported interactions between marine biota and plastic was in (1969)
when Kenyon and Kridler found plastic in the stomachs of 74 out of 100 Laysan
Albatrosses (Phoebastria immutabilis) on the Hawaiian Islands, with up to 8 items and an
average of 2 g plastic per bird. The authors also suggested that the North Pacific was
likely an accumulation zone for marine debris (Kenyon and Kridler, 1969). Between the
7

1960’s and early 1980, many of the questions still unanswered today were asked in the
scientific literature. For example, in 1972, Carpenter et al. raised concerns regarding
possible harmful effects due to intestinal blockage, plastic acting as a carrier of
unique/harmful bacteria, as well as plastic being a transfer mechanism for persistent
pollutants- specifically PCBs.
Largely due to these early reports of plastic ingestion and entanglement by
a diverse array of marine biota (Gochfeld, 1973; Kenyon and Kridler, 1969) and the rapid
accumulation of plastic in oceans in both hemispheres (Gregory, 1978; Wong et al.,
1974), numerous mitigation measures were enacted to reduce the input of persistent
plastic debris into the marine environment. In 1972, the dumping of plastic waste from
land-based sources at sea was banned under the “Convention on the Prevention of
Pollution by Dumping of Wastes and Other Matter,” which was originally signed by 15
nations (Farnelli and Tanzi, 2017). However, this ambitious regulation is limited in
efficacy due to compliance and enforcement difficulties (Carpenter and Macgill, 2005).
Based on reports of industrial production pellets being ingested by marine birds and
turtles (Bond, 1971; Hughes et al., 1970), manufacturing plants were targeted to improve
their control of plastic discharge into coastal waters (Kartar et al., 1976). However, very
few countries actually enacted laws regarding the loss of plastic pellets into marine
waters, and the plastic industry was largely left to take charge of these efforts, enacting
programs such as “Operation Clean Sweep,” established in 1992 in the United States of
America (Redford et al., 1997). Regulations have progressed in recent years, with
countries, states and municipalities enacting policies regarding the input of plastic from
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storm drains and bans or restrictions on the sale of single-use plastic items such as
microbeads, bags, pre-production pellets and cutlery (Rochman et al., 2016b).
Despite laws and efforts to reduce the input of plastic into the ocean, overall
marine plastic abundance and consumption by marine biota have largely seemed to either
remain constant or have even increased in the past several decades (Law, 2010; van
Franeker et al., 2011). One of the most challenging issues with judging the effectiveness
of such measures is executing detailed monitoring efforts that are capable of
demonstrating changes in trash inputs at regional levels (Ryan, 2015). Quantifying the
effectiveness of various source control strategies is critical to their successful
propagation. For instance, some studies have highlighted reductions in single-use plastic
bag use following the introduction of such policies (Block, 2013; Clean up Australia,
2010). However, few data, if any, are available on the efficacy of these policies regarding
input plastic inputs into the ocean (Xanthos and Walker, 2017). Implementation of an
internationally coordinated monitoring campaign, in which data could be synthesized
across studies, would provide an accurate, global assessment of the effectiveness of waste
management strategies (GESAMP, 2015).
In addition to scientific studies, public engagement is a key factor in the
development of effective marine conservation initiatives (Blau and Green, 2015).
Conventional stakeholders such as recreational users, resource users and marine
conservation professionals play important roles in management decisions. The role the
public plays should also be acknowledged (Fletcher et al., 2013). An effective way to
engage the public is through the concept of “marine citizenship,” which, through
environmental education, the public is called to claim responsibility for the oceans
9

(McKinley and Fletcher, 2010). Although research demonstrates that the public is
generally concerned and interested in the marine environment (Friedrich et al., 2014),
people are largely misinformed about both the severity of threats and efforts to
sustainably manage the oceans (Easman et al., 2018). Public interest in marine plastic
pollution has been increasing since 2004 (Figure 1.5), as evidenced by the popularity of
plastic marine debris-related internet searches, as well as the development of nongovernmental organizations, such as The 5 Gyres Institute, Algalita, Clear Blue Sea, and
dozens more.

Figure 1.5. Public interest in plastic marine debris over time. Data from Google Trends;
search term, “plastic in ocean.” Accessed on November 23rd, 2018.
This surge in public awareness and engagement in the marine plastic issue,
largely driven by social media and news outlets, has caused a disconnect between how
the public perceives threats to the marine environment and how professionals view them
(Easman et al., 2018). For instance, across several large surveys, experts rank threats to
the marine environment with overexploitation on top, followed by habitat loss and either
climate change or pollution as the third greatest threat (Dulvy et al., 2009; Halpern et al.,
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2008). In contrast, the public generally ranks pollution as the greatest threat to the marine
environment, followed by overexploitation, then habitat loss and finally climate change
(Lotze et al., 2018). Within the broad category of pollution, survey respondents in
Ireland, Europe, Taiwan and Kenya believe plastic litter to be the marine pollutant of
highest concern (Lotze et al., 2018). Since marine litter is a highly tangible and visible
issue, it may be easily understood to be a threat, compared to a more complex and less
visible phenomenon such as climate change. By involving the public as “marine citizens”
around the plastic pollution issue, they may become more engaged and educated on more
pressing environmental issues such as overexploitation, habitat loss and climate change.
Ingestion of Plastic Marine Debris
Due to the visual similarities of plastic to natural prey (i.e. size and color),
ingestion by a wide range of marine organisms may occur. Ingestion has been
documented in at least 233 species, with reports for over 13,110 individuals (Gall and
Thompson, 2015). Over 26% of marine mammal, 0.30% of fish, 39% of seabird and 86%
of sea turtle species have been reported to ingest plastic (Gall and Thompson, 2015).
Reports of plastic ingestion are not uniform across taxa, with the highest reported
individual incidences of ingestion in seabirds. For instance, records of ingestion for
seabirds include the Northern fulmar (Fulmaris glacialis), (3,444 individuals), Laysan
albatross Phoebastria immutabilis) (971 individuals) and the greater shearwater (Puffinus
gravis) (895 individuals) (Gall and Thompson, 2015). Of the species documented to
ingest plastic, 17% are listed as near threatened, vulnerable, endangered or critically
endangered according to the IUCN Red List (Gall and Thompson, 2015).
The consequences of ingesting plastic debris are difficult to characterize, and
11

direct harm/death have only been attributed to 4% of ingestion cases, with the vast
majority of ingestion cases being characterized as “unknown”(Gall and Thompson,
2015). In contrast, 79% of entanglement cases are documented to have caused direct
harm/death, and are much more widely reported, likely since their occurrence and effects
are more readily obvious (Gall and Thompson, 2015). Impacts of entanglement include
drowning, a decreased ability to catch food, an inability to avoid predators, suffocation
and lacerations (Derraik, 2002a; Laist, 1997, 1987). Effects due to ingestion are more
difficult to detect and often require necropsy. Documented effects of ingested plastic
include reduced fitness, a false feeling of satiation and starvation due to gut obstruction,
reduced feeding rate and depleted energy reserves (Bjorndal et al., 994; Cole et al., 2013;
Gregory, 1991; Spear et al., 1995; S. L. Wright et al., 2013).
The transfer of chemical pollutants from plastic to biota through ingestion,
including adsorbed and added chemicals has been demonstrated to occur in laboratory
studies (Figure 1.6) (Rochman, 2013; Tanaka et al., 2013a); however, plastic’s relative
importance as a transfer mechanism for these chemicals is contestable (Burns and Boxall,
2018; Koelmans et al., 2016). The consumption of plastic by fish and other marine
species occurs in the ocean at rates that are proportional to the amount of regional plastic
that is within the edible size classes (Baird and Hooker, 2000; Boerger et al., 2010;
Derraik, 2002b; Eriksson and Burton, 2003; Teuten et al., 2009). While early reports of
marine plastic debris have largely focused on plastic in the ocean’s gyres, ingestion
records have shown higher incidences near land. For instance, the majority of plastic
debris found in nearshore subtidal zones of California is smaller than 4.75 mm- which is
the ideal size for consumption by filter-feeding organisms (i.e. animals that feed by
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filtering out nutrients suspended in the water) and the density of neustonic (residing at or
just below the surface of the water) plastic along the Southern California coast is
approximately three times higher than the density found in the North Pacific Central Gyre
(Lattin et al., 2004). Additionally, the average plastic:plankton mass ratio of small
consumable plastics (<4.75 mm) in near-shore subtidal zones near Los Angeles is twice
that of the North Pacific Central Gyre (Lattin et al., 2004). Following a rain event, the
ratio of total plastic debris to plankton can be 3:1 within the water column (Moore et al.,
2002), suggesting that plastic enters this near-shore subtidal zone through storm drains
and/or rivers (Lattin et al., 2004). This phenomenon is not unique to California, as plastic
debris is generally found in high abundance in subtidal habitats near urban coastlines
worldwide (Oigman-Pszczol and Creed, 2007; Thompson et al., 2004). The high
occurrence of plastic in subtidal habitats may be particularly important for estuarine
ecosystems, which are considered to be important habitats for a number of fish during
juvenile and larval life stages, which may also be the most sensitive life-stages affected
by exposure to environmental stressors (Houde, 1997; U.S. Dept. of the Interior, Minerals
Management Service, 1985). Although it is known that microplastics have been found in
highest occurrence in estuarine habitats worldwide (Peng et al., 2017; Thompson, 2010;
Zhao et al., 2015, 2014), few studies have focused on effects on estuarine species (Bakir
et al., 2014a; S. Wright et al., 2013).

13

Figure 1.6. Cocktail of contaminants associated with marine plastic debris. Chemicals
intrinsically associated with plastic (i.e. additives, monomers) are denoted with red
squares. Chemical byproducts of manufacturing are denoted with yellow squares.
Contaminants that can sorb from the marine environment are denoted with blue squares.
Figure from (Rochman, 2015).
Plastic Additives
Marine plastic debris may contain a mixture of un-polymerized residual monomer
compounds that may migrate (leach) off the plastic into aqueous media (Bergmann et al.,
2015; Lithner et al., 2011). Several of these plastic-associated compounds such bisphenol
A (BPA), phthalates, brominated flame retardants and nonylphenol have been linked to
endocrine-disrupting effects (vom Saal and Hughes, 2005) and many are known estrogen
receptor (ER) agonists and/or are androgen receptor antagonists (Fent et al., 2014). As a
result of their endocrine-disrupting properties, some of these plastic-associated
ingredients are considered hazardous by regulatory agencies, including the U.S. EPA and
the European Commission (EC, 2008; USEPA, 2013).
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Transfer of additives from plastic through leaching
The ability of plastic-associated hazardous compounds to cause harm to aquatic
organisms through aqueous exposure has been demonstrated in several laboratory studies.
Specifically, BPA and several widely used phthalates, including dibutyl phthalate,
diethylhexyl phthalate, dimethyl phthalate and butyl benzyl phthalate have been shown to
affect reproduction in zebrafish (Danio rerio), Acartia tonsa (calanoid copepod,
Crustacea), and African clawed frog (Xenopus laevis) in the low ng/L to µg/L range
(Oehlmann et al., 2009). Leachates from polyvinyl chloride, polyurethane and epoxy
products were acutely toxic (48-hr EC50s) to Daphnia magna at concentrations as low as
2 g/L (plastic per liter of water) (Lithner et al., 2009).
The leaching of toxic plastic additives is not unique to any one type of plastic, as
one study found that 72% of over 500 plastic products exhibited detectable estrogenic
activity (defined as having >15% response amplitude as the endogenous steroid estradiol)
in either ethanol and/or saline water extraction without any external environmental stress
(i.e. UV radiation, heat, microwave radiation)(Yang et al., 2011). The levels at which
plasticizers have been found in surface waters (i.e. rivers, stream, lagoons and estuaries)
in Europe and Japan have been shown to be as high as 21 µg/L (BPA), 33.5 µg/L (dibutyl
phthalate) and 97.8 µg/L (diethylhexyl phthalate) (Belfroid et al., 2002; Crain et al.,
2007; Fatoki and Vernon, 1990; Fromme et al., 2002; Oehlmann et al., 2009). Possible
sources of the high quantities of plasticizers listed in Europe and Japan may be from
plastic residing in the water and leaching, or from wastewater treatment plant effluent;
however, sources are generally difficult to identify (Oehlmann et al., 2009). While
concentrations of hazardous plastic additives are likely below toxic threshold
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concentrations in the open ocean environment, it is possible that they can occur at ecotoxicologically relevant concentrations in highly polluted embayment’s, estuaries, or
rocky intertidal zones that havelittle mixing or dilution.
Transfer of additives from plastic through ingestion
To date, very few studies have explored the ability for plastic to transfer additives to
biota through ingestion. Phthalates, which are a class of plastic-associated compounds,
have been found in marine organisms ranging from primary producers such as plankton
(Mackintosh et al., 2004) to fish (Cheng et al., 2013) and seabirds (Hardesty et al., 2015).
However, biomagnification has not been proven to be a relevant mechanism of transfer
through the food web. Following, it is hypothesized that phthalates accumulate either
through dermal uptake from water or diet (Mackintosh et al., 2004). Tissue
concentrations of plastic additives, such as phthalates (Hardesty et al., 2015) and
polybrominated flame retardants (PBDEs) (Tanaka et al., 2013) have been positively
correlated with quantities of plastic pieces in the guts of seabirds, suggesting that plastic
ingestion may be responsible for their accumulation in tissue. However, no laboratory
studies have been conducted to confirm plastic as the transfer mechanism. Once ingested,
plastic items are exposed to gut surfactants, acidic conditions, and elevated temperatures
(in warm-blooded animals), all of which can enhance the desorption of chemicals (Teuten
et al., 2007). Several studies have demonstrated the ability for plastic additives to leach
from their surfaces under simulated gut conditions (Bakir et al., 2014; Tanaka et al.,
2015); however, these studies either pre-sorbed contaminants to plastic, or did not select
plastic items based on their ecological relevance (i.e. selective ingestion by animals), thus
making the extrapolation of findings to the environment difficult. A modeling study
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concluded that plastic is unlikely to transfer additives at relevant concentrations to biota
via ingestion; however, this hypothesis has not been confirmed under laboratory
conditions (Koelmans et al., 2014).
Plastic as a Vector for Hydrophobic Contaminants
Due to plastic’s hydrophobic nature, it can sorb a wide range of hydrophobic
organic contaminants. This feature of plastic is often utilized as a way of measuring
dissolved pollutants in the form of a “passive sampler”(Adams et al., 2007). In many
cases, plastic “hyper-concentrates” pollutants relative to environmental media. For
instance, polycyclic aromatic hydrocarbons (PAHs) have been shown to have a greater
affinity for plastic (particularly polyethylene, polypropylene and polyvinyl chloride) (log
Kd= 3.00-4.60 for phenanthrene) than for natural sediments (1.17-2.11 for phenanthrene)
(Teuten et al., 2009). Due to the ability of plastic to carry pollutants across long
distances, plastic has been demonstrated to be a potential transfer mechanism of
pollutants to a range of marine biota, including fish, worms, mussels, amphipods,
seabirds and plankton (Avio et al., 2015; Batel et al., 2016; Besseling et al., 2013b; Chua
et al., 2014; Rochman et al., 2013c; Tanaka et al., 2015). Plastic may transfer
contaminants to biota through desorption into various media, including water, sediment,
gut and tissue.
Transfer of hydrophobic contaminants from plastic through leaching
Hydrophobic organic contaminants partition across environmental media,
including water, sediment, biota, air and plastic (Koelmans et al., 2016). The spontaneous
transfer of hydrophobic organic contaminants between these media occurs in such a
direction that the concentration approaches equilibrium based on a partitioning
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coefficient which is dependent on the molecular properties of the compound as well as
the interacting media. So, just as plastic may adsorb contaminants, it may desorb these
contaminants back into the water if the concentration ratio is favorable. Due to the long
lifetimes of plastic in aqueous environments (10-1000 or more years) it is possible that
plastic may sorb contaminants and transport them to areas with limited water exchange
(i.e. estuaries, intertidal areas) (Andrady, 2011; Barnes et al., 2009; Boustead, 1998;
Moore, 2008). Fish in these areas may then experience toxic effects from hydrophobic
organic contaminants through aqueous exposure.
Transfer of hydrophobic contaminants from plastic through ingestion
While the concentrations of contaminants in marine-recovered plastic items have
been characterized chemically (Rochman et al., 2013c; Van et al., 2012), the
bioaccessibility of these contaminants, i.e. the transfer rate from plastic to organism
within the gut, has only been characterized for several contaminants (Bakir et al., 2014a).
The transfer of such contaminants from microplastic to fish has been observed in a
laboratory setting at environmentally relevant conditions in chronically-exposed (2
months) Japanese medaka (Oryzias latipes) fish (Rochman et al., 2013c). Nano-sized
plastics (<0.100 mm in size) have also been shown to be transported into cells from the
gut, potentially via endocytosis or phagocytosis, (Syberg et al., 2015; Von Moos et al.,
2012)
Although laboratory-based studies have shown that plastic can act as a vector,
such experiments have received criticism due to their lack of consideration for other
routes of exposure (Koelmans et al., 2016). The critical problem with these experiments
is that clean organisms are exposed to high quantities of contaminant-spiked plastic, thus
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confirming that polymers can act as a carrier material for contaminants towards media
with lower than equilibrium fugacity (Koelmans et al., 2016). While these studies may be
useful in deriving transfer rates of chemicals between the gut and plastic, their
extrapolation to environmental scenarios is limited. In reality, organisms are exposed to
chemicals through multiple routes, such as water, food and sediment, which, when
accounted for in model studies, show plastic to have either a negligible or even beneficial
effect on transferring pollutants to/from organisms (Bakir et al., 2016; Koelmans et al.,
2013).Due to the strong sorption potential of hydrophobic contaminants to plastic, some
models predict that plastic may actually reduce concentrations of contaminants in already
polluted water, biota and sediment. However, since some hydrophobic organic
contaminants found adsorbed to marine plastic have synergistic and/or antagonistic
effects, models may not adequately simulate effects of ingested plastic from the
environment (Willett et al., 2001).
Toxic effects of endocrine-disrupting plastic additives
In 1962, Rachel Carson’s book “Silent Spring” brought the world’s attention to
the impact of man-made chemicals on ecosystems (Carson, 1962). Carson implored the
reader to imagine a world where animals of domestic and wild origin become sick,
weaken and then die; where there are no insects, so pollination cannot occur and fruits
will not grow; where plants wither; where the land is left in silence because there are no
birds left to sing (Carson, 1962). Carson details countless examples of ecological
destruction from pesticides, insecticides and herbicides and suggests that the ubiquitous
release of man-made chemicals into the environment may lead to unintended,
catastrophic circumstances. Although environmental regulations have changed since
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1962, Carson’s observations are still possible in the United States. Every year in the
United States, 1,000-2,000 new chemicals are introduced into commerce; few of which
are assessed for safety risks by the Environmental Protection Agency (Guerrero, 1994).
Of the important points that Carson made in “Silent Spring,” several are highly relevant
to today’s situation, including: 1) extremely low doses of chemicals can have longlasting, profound impacts on exposed animals; 2) chemical mixtures can lead to
compounded effects; and 3) animals may be more susceptible to harmful effects if
exposed during early life stages (Vandenberg et al., 2009).
Following Carson’s 1962 publication, researchers continued to investigate the
effects of chemicals on wildlife. Then, in 1980, Theo Colborn released an analysis of the
scientific literature and revealed that fish and birds were reported having adverse
endocrine outcomes due to chemical exposures (Colborn et al., 1996). Colborn concluded
that animals were being affected through diminished reproduction, altered behavior and
thyroid problems; and that these problems were observed in the offspring of exposed
animals, but not the adult animals (Colborn et al., 1996). In 1991, Colborn invited a
diverse group of scientists to the Wingspread Conference Center in Racine, Wisconsin to
discuss the connection between chemicals and alterations in sexual development of
animals (Colborn et al., 1996). The conference attendees composed this consensus
statement: “We are certain of the following: a large number of man-made chemicals that
have been released into the environment, as well as a few natural ones, have the potential
to disrupt the endocrine system of animals, including humans” (Colborn and Clement,
1992). From this meeting, the term “endocrine disruptor” became widely acknowledged
by the scientific community.
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The endocrine system is responsible for regulating a wide variety of functions
within the body, including tissue function, metabolism, growth and development, sexual
function and reproduction, sleep and mood, among others. The endocrine system is tuned
to respond to extremely low concentrations of specially-designed signaling-molecules
known as hormones. The classical understanding is that hormones bind to nuclear
receptors and cause a rapid cascade of gene expression and cell signaling events (Watson
et al., 2005). However, this classical understanding is now complemented by the wellaccepted understanding that hormones cause nongenomic actions at membrane-associated
receptors (Vandenberg et al., 2012). Hormones are particularly unique in that they cause
effects at low doses that are not predicted by effects at higher doses- a phenomenon
termed “non-monotonic”, thus challenging the traditional toxicological concept of
monotonic doses, i.e. “the dose makes the poison” (Vandenberg et al., 2012).
Among the first and most widely investigated endocrine disruptors were
chemicals that mimic the endogenous steroid hormone estrogen. Through their structural
similarities to estrogen, estrogen-like compounds bind to one of various estrogen
receptors (ERs) present in the body (Kuiper et al., 1998). In fish, exposure to estrogenlike compounds may lead to altered reproduction due to decreased sperm production in
feminized male fish and altered oogenesis in females; effects which can lead to the
declining trajectory of whole populations (Ankley et al., 2010; Miller and Ankley, 2004).
Population-scale effects can occur from extremely low concentrations of estrogen-like
compounds, with concentrations as little as 5-6 ng/L of the synthetic estrogen steroid
17a-ethinylestradiol (EE2) causing the collapse of a native fathead minnow population
(over three years) in a whole-lake dosing study (Kidd et al., 2007).
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While population and organismal effects of ER exposure in fish are of most
concern, it is not always possible nor practical to conduct experiments modeling these
endpoints. In lieu of measuring these outcomes, several other, more specific biological
responses or “biomarkers” associated with ER activation at the molecular or cellular level
that are causally related to organismal and population-wide effects may be used to predict
down-stream outcomes (Ankley et al., 2010). Predicting ecological risks due to exposure
of chemicals based on linkages between the chemical’s direct initiating event and adverse
outcomes at various biological levels of organization is a highly useful framework known
as the adverse outcome pathway (AOP) (Ankley et al., 2010).
In accordance with the adverse outcome pathway (AOP) developed for estrogen
receptor activation, a primary biomarker representative of the molecular initiating event
serves as a highly sensitive and quantifiable predictor of down-stream effects.
Recombinant DNA cell lines have been developed which quantitatively report estrogenreceptor binding activity, allowing for samples to be screened for estrogenic activity in a
relatively inexpensive and quick manner, without resorting to in vivo testing of complex
organisms. One such example of this reporter cell line is the VM7Luc4E2 TA bioassay,
which was developed by Rogers and Denison (2000). Specifically, this cell line reports
estrogen receptor activity by emitting light from a firefly luciferase reporter gene under
hormone-inducible control of the estrogen-responsive DNA enhancer element for ERa
and ERb (Rogers and Denison, 2000). This cell line is capable of accurately reporting pM
concentrations of estradiol (E2) and has been officially accepted as part of the U.S.
Environmental Protection Agency’s (USEPA) Tier 1 endocrine disruptor screening
program and by the Organization of Economic Cooperation and Development (OECD)
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Validation Management Group for Non-Animal Testing as an international test guideline
to detect estrogen receptor-dependent activity of chemicals in vitro (He and Denison,
2014).
The measurement of a chemical’s potential to bind to the estrogen receptor is a
highly useful molecular endpoint for providing a preliminary understanding of the
processes involved at higher levels within the model organism. By comparing ER binding
activity of a chemical with the endogenous steroid hormone 17β-estradiol (E2), the
derivation of an estradiol equivalence concentration (EEQ) is possible, which may be
used in a risk assessment to predict population-level effects (Ankley et al., 2010). If a
group of estrogenic chemicals are demonstrated to produce additive effects and their
EEQs are known, their measured concentrations may be added to predict the total
biological estrogenicity of a mixture (Safe, 1998). Although characterizing binding
potential of chemicals to the estrogen receptor is useful in making predictions regarding
the potency of a chemical or mixture or chemicals, effects in animals (in vivo) may be
different due to many factors, including the presence of chemicals with synergistic and/or
antagonistic effects, post-translational or transcription factor activation, absorption,
distribution metabolism and excretion . Therefore, it is often important to verify a
chemical’s estrogen receptor-binding activity using a higher-order organismal endpoint.
Among the most useful biomarkers for exposure of fish include changes in expression of
estrogen-responsive genes, alterations in plasma sex steroids, gonad abnormalities and
changes in secondary sex characteristics (IPCS, 2002). Induction of the mRNA which
encodes for the female egg-yolk protein vitellogenin (vtg) in male fish is a sensitive
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biomarker for exposure to estrogen receptor-binding agonists and is useful in predicting
downstream organismal effects (Ankley et al., 2010).
One of the most notorious, well-studied and most widely abundant
estrogenic chemicals is Bisphenol A (BPA) (Figure 1.7). Originally developed as a
synthetic estrogen in the 1890’s, BPA was reported to stimulate the female reproductive
system in rats with the efficacy of the endogenous hormone estrone (Cook et al., 1933).
Now, it is understood that BPA in excessive doses can cause a variety of adverse
outcomes to humans and wildlife, including reproductive and developmental effects
(Rochester, 2013). BPA has been widely used in consumer products for decades,
including plastics (as a polymer), food packaging, dental sealants, thermal receipts and
polyvinyl chloride (Rochester, 2013). With over 6 billion pounds produced each year,
BPA is one of the highest volume chemicals produced worldwide (Bailin et al., 2008).
BPA is known to leach from polycarbonate baby bottles, water bottles and other foodcontact material (Le et al., 2008; Vandenberg et al., 2007). Concerns regarding harmful
effects in humans due to the continuous exposure to BPA has prompted the industry to
develop alternative chemicals. Some of these alternatives are structurally similar to
estrogen, and many similar biological effects as BPA (Rochester and Bolden, 2015). BPA
and its alternatives are just several of the many plastic additives and monomers and are
known to be estrogenic.
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Figure 1.7 Structures of 17-β-estradiol and bisphenol A. The plastic monomer bisphenol
A (BPA) (right) shares an alkylphenolic functional group to the endogenous steroid
hormone 17-β-estradiol (E2) (highlighted in blue). BPA’s structural similarity to E2 is
likely the cause of its estrogenic activity.
Toxic Effects of Sorbed Contaminants: Aryl Hydrocarbon Receptor Agonists
Some of the hydrophobic organic contaminants found adsorbed to marine plastics,
such as co-planar polychlorinated biphenyls (PCBs) and PAHs are aryl hydrocarbon
receptor (AhR) agonists (Rochman et al., 2013c; Van et al., 2012). Activation of the AhR
can lead to toxicities such as reproductive dysfunction, cancer, immunosuppression and
early-life-stage mortality (Peterson et al., 1993; Poland A, 1982). Exposure to AhR
agonists have been quantitatively linked to population-level adverse outcomes, including
reduced recruitment and declining trajectory (Cook et al., 2003). Planar aromatic
hydrocarbons such as 2,3,7,8-tetrachlorodibenzo para dioxin (TCDD; commonly known
as “dioxin”) bind the AhR and trigger the induction of cytochrome P450 1A (CYP1A)
proteins (Poland and Knutson, 1982; Reynaud and Deschaux, 2006). When inactive, the
AhR resides in the cytoplasm, in a complex with the molecular chaperone heat-shock
protein90 (hsp90), the immunophilin XAP2 as well as the co-chaperone p23 (Petrulis and
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Perdew, 2002). Upon binding of a ligand, the receptor translocates to the nucleus where it
dimerizes with AhR nuclear translocator (ARNT) and then binds to specific xenobiotic
response elements present in the promoter of target genes, of which the best
characterized, is the CYP1A1 gene (Petrulis and Perdew, 2002). Due to the linkage
between AhR activation and production of CYP1A, CYP1A enzyme activity or CYP1A
mRNA induction are sensitive biomarkers for exposure to AhR agonists (Whyte et al.,
2000; Schlenk et. al, 1996) In addition to CYP1A induction, AhR ligands enhance
induction of some second-phase metabolism enzymes, including UDP
glucuronosyltransferase and glutathione-S-transferase in mammals and fish (Goksøyr and
Husøy, 1998). The measurement of AhR binding activity using in vitro reporter cell lines
allows for a quantitative linkage of downstream organismal effects (Ankley et al., 2010)
Toxicological Effects of Plastic-Sorbed Contaminants: Polycyclic Aromatic
Hydrocarbons
Fish exposed to PAHs can experience several toxic biological effects, including
cancer, and liver lesions, as well as reproductive abnormalities, immune dysfunction
(Reynaud and Deschaux, 2006), alterations in growth and development (Johnson et al.,
2002), visual impairment (Carvalho et al., 2008) and swimming changes (Barron et al.,
2004b; Oliveira et al., 2012a; Vignet et al., 2014a, 2014b). Many of the above mentioned
apical effects may be due to genotoxic modes of action (Ankley et al., 2010), activation
of the AhR pathway (Reynaud and Deschaux, 2006) and in some cases AhR-independent
mechanisms (Incardona et al., 2005). Moreover, some studies suggest that exposure to
PAHs may suppress estradiol-induced vitellogenin production in fish (Nicolas, 1999)- an
organismal effect that has been shown to correlate with a decrease in population
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trajectory (Miller and Ankley, 2004). Many plastic products contain estrogenic
compounds that have been shown to induce vitellogenesis in fish (Rochman et al., 2014).
However, the interactive effects of PAH anti-estrogenic activity and plasticizer estrogenic
activity have not been studied.
In a previous study, Rochman and co-workers (2013b) demonstrated the potential
for previously contaminated polyethylene plastic particles (~3mm large, then ground and
sieved to <0.5 mm) to induce hepatic stress in Oryzias latipes which fed on these plastics.
Interestingly, CYP1A induction was not observed in plastic-exposed fish, despite the
finding of hepatic stress in histological sections, as evidenced by increased lipid vacuoles
in fish exposed to contaminated particles (Rochman et al., 2013c). However, the plastic
samples used in Rochman’s study had considerably lower sorbed concentrations of
SPAHs (approximately 130 ng/g) and SPCBs (20 ng/g) than plastic samples obtained
from other areas in California or Hawaii (Rios et al., 2007). Specifically, plastic samples
obtained from beaches near industrial sites in Los Angeles ranged in SPAHs
concentration from 39-12,000 ng/g, and samples taken from Tern Island in Hawaii had as
much as 500 ng/g SPAHs and 980 ng/g SPCBs (Rios et al., 2007). Accordingly, it is
possible that fish living in areas with highly contaminated plastics found in abundance
along Southern California industrial beaches may experience toxicological insult from
either the plastics or the contaminants adsorbed to the plastics.
Polycyclic Aromatic Hydrocarbons: Effects on Visual Function
Activation of AhR by some PAHs has been implicated in the mechanisms of
visual impairment in fish (Huang et al., 2013). Zebrafish (Oryzias latipes) exposed to
phenanthrene (lowest observed effect dose 0.02 µM) at the embryonic stage and at 7 days
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post fertilization displayed morphological changes, apoptosis and cell proliferation in the
retina as well as AhR, microphthalmia-associated transcription factor (Mtif), zinc finger
E-box binding homeobox 1 (Zeb1) and paired box 6 (Pax6) expression (Huang et al.,
2013). Their results suggested that following the translocation of AhR to the nucleus and
dimerization with ARNT in retina cells, AhR binds to the Zeb1 promoter as a repressor
(Huang et al., 2013). Zeb1 is a transcription factor that represses the Pax6 repressor, Mtif
(Liu et al., 2009); thus a down-regulation of Zeb1 would cause an overexpression of Mtif,
which would inhibit the expression of Pax6 (Mochii et al., 1998). Pax6 promotes cell
proliferation and inhibits caspase-3 dependent apoptosis in the developing retina (Bai et
al., 2011) and affects lens cell survival (Kim and Lauderdale, 2008). This mechanism
may explain the dose-dependent relationship observed in previous studies between PAHs
and impaired phototaxis response, retina size, visual acuity, and congenital anomalies of
various species (Carvalho et al., 2008; Colavecchia et al., 2007; Tillitt and Carvalho,
2004; Xu et al., 2016). Rainbow trout (Oncorhynchus mykiss) exposed to varying
concentrations of liquid creosote at 3 µL/L over 28 days had significantly affected focal
lengths, which were correlated with hepatic 7-ethoxyresorufin O-deethylase (EROD)
activity, which is indicative of CYP1A activity (Whyte et al., 2000). Since EROD
activity indicates exposure, this relationship contributes to a weight-of-evidence approach
for linking PAH exposure and ocular toxicity.
In addition to observations of altered morphology and visual performance of fish
exposed to PAHs, researchers have also linked PAH-mediated ocular toxicity to a
number of retinal regulating genes. Vertebrate retinal photoreceptor cells can be
classified as rods or cones. On the basis of evolutionary relatedness, rod photoreceptor
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cells may be classified into one rod opsin (or rhodopsin) type (Rho) and cone cells may
be further classified into four cone opsin types (M/LWS, RH2, SWS1, and SWS2), each
having distinct peak absorption spectra (Kawamura et al., 2005; Yokoyama, 2000). Rho
is an essential G-protein receptor responsible for initiating the visual transduction cascade
when photo-excited (Palczewski, 2006). Upon absorption of a photon, the chromophore
11-cis-retinal, which is embedded in each opsin, undergoes photo-isomerization to alltrans-retinylidene, then inducing an active conformation (Palczewski, 2006). This active
form recruits and binds intracellular G proteins which initiates a visual signal cascade
that induces an electrical impulse to the visual cortex of the brain (Palczewski, 2006). In
a transcriptomic study of Mahi-Mahi (Coryphaena hippurus) exposed to petrogenic
PAHs at 96 hpf, the transcript for Rho was significantly downregulated (p-value= 4.8 x
10-9)(Xu et al., 2016). While a mechanistic connection between this gene and PAH
exposure remains to be made, this gene may be a useful biomarker in predicting ocular
toxicity in exposed fish.
Polycyclic Aromatic Hydrocarbons: Effects on Swimming Behavior
Swimming behavior is an important factor in a fish’s ability to capture prey, escape
from predators, and reproduce (Plaut, 2001).Various studies have shown that fish
exposed to single or a mixture of PAHs have decreased locomotor activity (i.e. lethargy) (
Correia et al., 2007; Gonçalves et al., 2008; Vignet et al., 2014b). The molecular
mechanisms of action for alteration of swimming behavior are unclear; however,
possibilities include alteration of metabolic energy through tumorigenesis (Larcher et al.,
2014), disruption of dopaminergic and serotonergic systems in the brain (Gesto et al.,
2008) and inhibition of acetylcholinesterase (Oliveira et al., 2012b).
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In addition to lethargy, PAHs have also been shown to induce anxiety in several
different species of exposed fish. In one study, zebrafish (Danio rerio) were chronically
exposed to a combination of either petrogenic or pyrolytic PAHs from 5 days postfertilization until they were reproducing adults (2-6 months, depending on each assay)
and were monitored in a series of behavioral responses including mazes and novel tanks
(Vignet et al., 2014b).PAH-exposed fish had diminished maze exploration and spent less
time in novel areas of their holding tanks (Vignet et al., 2014b)- effects which are
indicative of an increase in anxiety (Egan et al., 2009; Stewart et al., 2011, 2010). The
ability of PAH to induce anxiety is further evidenced in trout (Oncorhynchus mykiss)
exposed to BaP or the prototypic AhR agonist, b-naphthoflavone (BNF), in which
cortisol concentrations (a stress biomarker) were significantly increased (Gesto et al.,
2008).
Cardiovascular toxicity may contribute to impaired swimming behavior as a result of
diminished aerobic scope through a limitation in oxygen uptake or delivery, thus
decreasing cardiac output (Mager et al., 2014). Evidence for this hypothesis has been
demonstrated in adult zebrafish exposed as embryos to PAHs (24-36 µg/L) for 48 hours,
which exhibited reduced aerobic scope, impaired cardiac output and swimming
performance (Hicken et al., 2011). PAHs may divert energetic resources to detoxification
to avoid damage of important molecules such as DNA, key proteins, membranes and
others (Oliveira et al., 2012a). Since swimming behavior is highly dependent on energy,
it has been theorized that altered anaerobic and aerobic pathways of energy production by
bio-transformative processes may be the cause of PAH-mediated swimming impairment
(Oliveira et al., 2012a).
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Swimming performance is also dependent on neuromuscular transmission and
signaling for movement coordination (Oliveira et al., 2012a). Some evidence suggests
that PAHs inhibit acetylcholinesterase (AchE) activity both in vivo and in vitro (Oliveira
et al., 2012b). Notably, this phenomenon has been observed in zebrafish embryos (Kais et
al., 2015) and electric eel purified AchE (Jett et al., 1999). Since AchE is responsible for
the hydrolytic degradation of acetylcholine, which is a neurotransmitter in the sensory
and neuromuscular systems in most animals species, inhibition of AchE leads to an
accumulation of acetylcholine at central nervous system synapses and neuromuscular
junctions, which may result in over-stimulation of the central and peripheral nervous
system and effect locomotion at sub-lethal doses (Oliveira et al., 2012a). AchE inhibition,
oxidative stress, Ca2+ homeostasis interference as well as interference of excitationcontraction coupling in cardiomyocytes (Brette et al., 2014) may explain the observed
alterations of swimming behavior of fish exposed to PAHs through food (Vignet et al.,
2014b), water (Oliveira et al., 2012a) and sediment (Vignet et al., 2014a).
Alteration of swimming behavior as a result of PAH exposure has been demonstrated
in multiple stages of fish, including larval (Vignet et al., 2014a), juvenile (Oliveira et al.,
2012a) and adult stages (Vignet et al., 2014a). Several swimming behavior metrics are
altered in fish exposed to PAHs, including an increase of locomotor activity along the
sides of the tank (thigmotaxis) in response to a light to dark transition (Vignet et al.,
2014b)- a response which may be indicative of anxiety (Schnörr et al., 2012), decreased
swimming ability (Oliveira et al., 2012a), decreased overall swimming activity (Vignet et
al., 2014b) as well as altered circadian spontaneous swimming activity (Vignet et al.,
2014b). Swimming behavior alterations have been shown to be PAH-type and dose31

dependent (Vignet et al., 2014b). For instance, pyrolytic PAHs, which are characterized
as having a higher ratio of 3- and 4-ring PAHs than petrogenic PAHs, have been shown
to induce higher immobility rates and higher levels of activity during and after a “dark
challenge” in a photomotor assay in Japanese medaka fish compared to petrogenic PAHs
(Vignet et al., 2014b). These effects were observed in two-month old and six-month old
fish, with no effect of sex (Vignet et al., 2014b). Based on the aforementioned effects as
well as mechanistic information, an adverse outcome pathway for polycyclic aromatic
hydrocarbons has been proposed (Figure 1.8)

Figure 1.8 Proposed Adverse Outcome Pathway of Polycyclic Aromatic Hydrocarbons.
Figure concept based on (Ankley et al., 2010).
Hypotheses
Based on the understanding that plastic may leach estrogenic additives in
saltwater conditions (Yang et al., 2011), as well as sorb and desorb hydrophobic organic
contaminants such as PCBs and PAHs, (Endo and Koelmans, 2016), I hypothesize that
plastic will leach biologically-active estrogenic and AhR-active chemicals in plasticcontaminated low-flow estuarine environments. To test this hypothesis, I will expose
Japanese medaka (Oryzias latipes) fish to environmentally-relevant concentrations of
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plastic leachates generated under simulated estuarine conditions, then measure AhR and
ER in vivo biomarkers, including cyp1a and vtg mRNA as well as quantify ER and AhR
receptor-binding activities in vitro and identify chemicals responsible for biological
activities using targeted analytical chemistry.
While an aqueous route of exposure may be relevant in a low-flow environment
such as an estuary or river, dilution of desorbed chemicals plays a significant role in the
open ocean, where the majority of marine debris tends to accumulate. Once ingested,
plastic may act as a transfer mechanism for estrogenic additives and adsorbed
contaminants to biota. Plastic may partition into sediment and be eaten by sedimentdwelling organisms such as polychaete or may reside near the surface and be ingested by
fish and seabirds. Due to the ability of both vertebrate and invertebrate digestive gut
surfactants to enhance the solubility of hydrophobic chemicals, I hypothesize that
ingestion of plastic will act as a relevant route of exposure for estrogenic additives. To
test this hypothesis, I will simulate the digestive conditions of vertebrates and
invertebrates using a laboratory-based model and measure estrogen receptor activities of
plastic items, then identify chemicals for which solubilities are significantly enhanced
under digestive conditions. Furthermore, due to the higher surface area of particles with
smaller diameters, I hypothesize that smaller particles will release higher quantities of
chemicals than larger particles.
In addition to plastic’s ability to release estrogenic additives, plastic may also
serve as a vector for adsorbed hydrophobic organic contaminants such as PAHs (Batel et
al., 2016; Teuten et al., 2009). PAHs are known activate the AhR pathway and induce
visual impairment (Huang et al., 2013)- effects which may adversely affect the fish’s
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ability to reproduce, survive and forage (Letcher et al., 1996; Plaut, 2001). I hypothesize
that plastic will transfer adsorbed PAHs to pelagic fish through ingestion, causing visual
impairment. In order to test these hypotheses, I will expose pelagic White seabass
(Atractoscion nobilis) fish to benzo(a)pyrene-sorbed polystyrene for 5 days, then monitor
visual function using a phototactic behavioral assay and measure CYP1A enzyme activity
using the EROD assay as an indicator of exposure.

34

References
Adams, R.G., Lohmann, R., Fernandez, L.A., MacFarlane, J.K., Gschwend, P.M., 2007.
Polyethylene devices: Passive samplers for measuring dissolved hydrophobic
organic compounds in aquatic environments. Environ. Sci. Technol. 41, 1317–1323.
doi:10.1021/es0621593
Alomar, C., Estarellas, F., Deudero, S., 2016. Microplastics in the Mediterranean Sea:
Deposition in coastal shallow sediments, spatial variation and preferential grain size.
Mar. Environ. Res. 115, 1–10. doi:10.1016/j.marenvres.2016.01.005
Amélineau, F., Bonnet, D., Heitz, O., Mortreux, V., Harding, A.M.A., Karnovsky, N.,
Walkusz, W., Fort, J., Grémillet, D., 2016. Microplastic pollution in the Greenland
Sea: Background levels and selective contamination of planktivorous diving
seabirds. Environ. Pollut. 219, 1131–1139. doi:10.1016/j.envpol.2016.09.017
Andrady, A.L., 2011. Microplastics in the marine environment. Mar. Pollut. Bull. 62,
1596–1605. doi:10.1016/j.marpolbul.2011.05.030
Ankley, G.T., Bennett, R.S., Erickson, R.J., Hoff, D.J., Hornung, M.W., Johnson, R.D.,
Mount, D.R., Nichols, J.W., Russom, C.L., Schmieder, P.K., Serrrano, J.A., Tietge,
J.E., Villeneuve, D.L., 2010. Adverse outcome pathways: A conceptual framework
to support ecotoxicology research and risk assessment. Environ. Toxicol. Chem. 29,
730–741. doi:10.1002/etc.34
Avio, C.G., Gorbi, S., Milan, M., Benedetti, M., Fattorini, D., D’Errico, G., Pauletto, M.,
Bargelloni, L., Regoli, F., 2015. Pollutants bioavailability and toxicological risk
from microplastics to marine mussels. Environ. Pollut. 198, 211–222.
doi:10.1016/j.envpol.2014.12.021
Bai, S. wei, Li, B., Zhang, H., Jonas, J.B., Zhao, B. wen, Shen, L., Wang, Y. chen, 2011.
Pax6 regulates proliferation and apoptosis of human retinoblastoma cells. Investig.
Ophthalmol. Vis. Sci. 52, 4560–4570. doi:10.1167/iovs.10-5487
Bailin, P.D., Byrne, M., Lewis, S., Liroff, R., 2008. Public awareness drives market for
safer alternatives: Bisphenol A market analysis report., Investor Environmental
Health Network: Falls Church, VA.
Baird, R.W., Hooker, S.K., 2000. Ingestion of plastic and unusual prey by a juvenile
harbour porpoise. Mar. Pollut. Bull. 40, 719–720. doi:10.1016/S0025326X(00)00051-5
Bakir, A., O’Connor, I.A., Rowland, S.J., Hendriks, A.J., Thompson, R.C., 2016.
Relative importance of microplastics as a pathway for the transfer of hydrophobic
organic chemicals to marine life. Environ. Pollut. 219, 56–65.
35

doi:10.1016/j.envpol.2016.09.046
Bakir, A., Rowland, S.J., Thompson, R.C., 2014. Enhanced desorption of persistent
organic pollutants from microplastics under simulated physiological conditions.
Environ. Pollut. 185, 16–23. doi:10.1016/j.envpol.2013.10.007
Barnes, D.K. a, Galgani, F., Thompson, R.C., Barlaz, M., 2009. Accumulation and
fragmentation of plastic debris in global environments. Philos. Trans. R. Soc. Lond.
B. Biol. Sci. 364, 1985–1998. doi:10.1098/rstb.2008.0205
Barron, M.G., Heintz, R., Rice, S.D., 2004. Relative potency of PAHs and heterocycles
as aryl hydrocarbon receptor agonists in fish. Mar. Environ. Res. 58, 95–100.
doi:10.1016/j.marenvres.2004.03.001
Batel, A., Linti, F., Scherer, M., Erdinger, L., Braunbeck, T., 2016. Transfer of
benzo[a]pyrene from microplastics to Artemia nauplii and further to zebrafish via a
trophic food web experiment: CYP1A induction and visual tracking of persistent
organic pollutants. Environ. Toxicol. Chem. 35, 1656–1666. doi:10.1002/etc.3361
Belfroid, A., Van Velzen, M., Van der Horst, B., Vethaak, D., 2002. Occurrence of
bisphenol A in surface water and uptake in fish: Evaluation of field measurements.
Chemosphere 49, 97–103. doi:10.1016/S0045-6535(02)00157-1
Bergmann, M., Gutow, L., Klages, M., 2015. Marine anthropogenic litter. Mar.
Anthropog. Litter 1–447. doi:10.1007/978-3-319-16510-3
Besseling, E., Wegner, A., Foekema, E.M., Van Den Heuvel-Greve, M.J., Koelmans,
A.A., 2013. Effects of microplastic on fitness and PCB bioaccumulation by the
lugworm Arenicola marina (L.). Environ. Sci. Technol. 47, 593–600.
doi:10.1021/es302763x
Bjorndal, K., Bolten, A., Lagueux, C., 994. Ingestion of Marine Debris by Juvenile Sea
Turtles in Coastal Florida Habitats. Mar. Pollut. Bull. 28, 154–158.
Blau, J., Green, L., 2015. Assessing the impact of a new approach to ocean management:
Evidence to date from five ocean plans. Mar. Policy 56, 1–8.
doi:10.1016/j.marpol.2015.02.004
Block, B., 2013. China reports 66-percent drop in plastic bag use. Eye Earth, Worldwatch
Institute. Retrieved Novemb. 29.
Boerger, C.M., Lattin, G.L., Moore, S.L., Moore, C.J., 2010. Plastic ingestion by
planktivorous fishes in the North Pacific Central Gyre. Mar. Pollut. Bull. 60, 2275–
2278. doi:10.1016/j.marpolbul.2010.08.007
36

Bond, S.I., 1971. Red phalarope mortality in Southern California. Calif. Birds 2, 97.
Boustead, I., 1998. Plastics and the environment, Radiation Physics and Chemistry. John
Wiley & Sons. doi:10.1016/S0969-806X(97)00256-9
Brette, F., Machado, B., Cros, C., Incardona, J.P., Scholz, N.L., Block, B.A., 2014. Crude
Oil Impairs Cardiac Excitation-Contraction Coupling in Fish. Science (80-. ). 343,
772–776. doi:10.1126/science.1242747
Burns, E.E., Boxall, A.B.A., 2018. Microplastics in the aquatic environment: Evidence
for or against adverse impacts and major knowledge gaps. Environ. Toxicol. Chem.
9999, 1–21. doi:10.1002/etc.4268
Carpenter, A., Macgill, S.M., 2005. The EU Directive on port reception facilities for
ship-generated waste and cargo residues: The results of a second survey on the
provision and uptake of facilities in North Sea ports. Mar. Pollut. Bull. 50, 1541–
1547.
Carpenter, E., Anderson, S., Harvey, G., Miklas, H., Peck, B., 1972. Polystyrene
spherules in coastal waters. Science (80-. ). 178, 749–750.
Carson, R., 1962. Silent spring. Houghton Mifflin Harcourt.
Carvalho, P.S.M., Kalil, D. da C.B., Novelli, G.A.A., Bainy, A.C.D., Fraga, A.P.M.,
2008. Effects of naphthalene and phenanthrene on visual and prey capture endpoints
during early stages of the dourado Salminus Brasiliensis. Mar. Environ. Res. 66,
205–207. doi:10.1016/j.marenvres.2008.02.059
Chua, E.M., Shimeta, J., Nugegoda, D., Morrison, P.D., Clarke, B.O., 2014. Assimilation
of polybrominated diphenyl ethers from microplastics by the marine amphipod,
allorchestes compressa. Environ. Sci. Technol. 48, 8127–8134.
doi:10.1021/es405717z
Clean up Australia, 2010. Report on actions to reduce circulation of single-use plastic
bags around the world. Clean Up Aust.
Colavecchia, M. V, Hodson, P. V, Parrott, J.L., 2007. The relationships among CYP1A
induction, toxicity, and eye pathology in early life stages of fish exposed to oil
sands. J. Toxicol. Environ. Health. A 70, 1542–55.
doi:10.1080/15287390701384726
Colborn, T., Clement, C., 1992. Chemically-induced alterations in sexual and functional
development: the wildlife/human connection. Princeton Scientific Pub. Co.
Colborn, T., Dumanoski, D., Myers, J.P., Murden, M., 1996. Our stolen future: are we
37

threatening our fertility, intelligence, and survival?: a scientific detective story.
Dutton New York.
Cole, M., Lindeque, P., Fileman, E., Halsband, C., Goodhead, R., Moger, J., Galloway,
T.S., 2013. Microplastic ingestion by zooplankton. Environ. Sci. Technol. 47, 6646–
6655. doi:10.1021/es400663f
Cole, M., Lindeque, P., Halsband, C., Galloway, T.S., 2011. Microplastics as
contaminants in the marine environment: A review. Mar. Pollut. Bull. 62, 2588–
2597. doi:10.1016/j.marpolbul.2011.09.025
Cook, J.W., Dodds, E.C., Hewett, C.J., 1933. A synthetic oestrus-exciting compound.
Nature 56–57. doi:10. 1038/131056b0
Cook, P.M., Robbins, J.A., Endicott, D.D., Lodge, K.B., Guiney, P.D., Walker, M.K.,
Zabel, E.W., Peterson, R.E., 2003. Effects of aryl hydrocarbon receptor-mediated
early life stage toxicity on lake trout populations in Lake Ontario during the 20th
century. Environ. Sci. Technol. 37, 3864–3877.
Correia, A.D., Gonçalves, R., Scholze, M., Ferreira, M., Henriques, M.A.R., 2007.
Biochemical and behavioral responses in gilthead seabream (Sparus aurata) to
phenanthrene. J. Exp. Mar. Bio. Ecol. 347, 109–122.
doi:10.1016/j.jembe.2007.03.015
Crain, D.A., Eriksen, M., Iguchi, T., Jobling, S., Laufer, H., LeBlanc, G.A., Guillette,
L.J., 2007. An ecological assessment of bisphenol-A: Evidence from comparative
biology. Reprod. Toxicol. 24, 225–239. doi:10.1016/j.reprotox.2007.05.008
Davison, P., Asch, R.G., 2011. Plastic ingestion by mesopelagic fishes in the North
Pacific Subtropical Gyre. Mar. Ecol. Prog. Ser. 432, 173–180.
doi:10.3354/meps09142
Derraik, J.G.B., 2002a. The pollution of the marine environment by plastic debris: A
review. Mar. Pollut. Bull. 44, 842–852. doi:10.1016/S0025-326X(02)00220-5
Derraik, J.G.B., 2002b. The pollution of the marine environment by plastic debris: A
review. Mar. Pollut. Bull. 44, 842–852. doi:10.1016/S0025-326X(02)00220-5
Desforges, J.P.W., Galbraith, M., Ross, P.S., 2015. Ingestion of Microplastics by
Zooplankton in the Northeast Pacific Ocean. Arch. Environ. Contam. Toxicol. 69,
320–330. doi:10.1007/s00244-015-0172-5
Dulvy, N.K., Pinnegar, J.K., Reynolds, J.D., 2009. Holocene extinctions in the sea, in:
Holocene Extinctions. Oxford University Press, pp. 129–150.
doi:10.1093/acprof:oso/9780199535095.003.0006
38

Easman, E.S., Abernethy, K.E., Godley, B.J., 2018. Assessing public awareness of
marine environmental threats and conservation efforts. Mar. Policy 87, 234–240.
doi:10.1016/j.marpol.2017.10.030
EC, E.C., 2008. Priority Substances and Certain Other Pollutants - Directive
2008/105/EC.
Eerkes-Medrano, D., Thompson, R.C., Aldridge, D.C., 2015. Microplastics in freshwater
systems: A review of the emerging threats, identification of knowledge gaps and
prioritisation of research needs. Water Res. 75, 63–82.
doi:10.1016/j.watres.2015.02.012
Egan, R.J., Bergner, C.L., Hart, P.C., Cachat, J.M., Canavello, P.R., Elegante, M.F.,
Elkhayat, S.I., Bartels, B.K., Tien, A.K., Tien, D.H., Mohnot, S., Beeson, E.,
Glasgow, E., Amri, H., Zukowska, Z., Kalueff, A. V., 2009. Understanding
behavioral and physiological phenotypes of stress and anxiety in zebrafish. Behav.
Brain Res. 205, 38–44. doi:10.1016/j.bbr.2009.06.022
Eriksen, M., Lebreton, L.C.M., Carson, H.S., Thiel, M., Moore, C.J., Borerro, J.C.,
Galgani, F., Ryan, P.G., Reisser, J., 2014. Plastic Pollution in the World’s Oceans:
More than 5 Trillion Plastic Pieces Weighing over 250,000 Tons Afloat at Sea.
PLoS One 9, 1–15. doi:10.1371/journal.pone.0111913
Eriksson, C., Burton, H., 2003. Origins and biological accumulation of small plastic
particles in fur seals from Macquarie Island. Ambio 32, 380–384. doi:10.1579/00447447-32.6.380
Farnelli, G.M., Tanzi, A., 2017. Convention on the Prevention of Marine Pollution by
Dumping of Wastes and Other Matter 1972 and 1996 Protocol, in: Elgar
Encyclopedia of Environmental Law. Edward Elgar Publishing Limited, pp. 175–
183.
Fatoki, O.S., Vernon, F., 1990. Phthalate esters in rivers of the greater Manchester area,
U.K. Sci. Total Environ. 95, 227–232. doi:10.1016/0048-9697(90)90067-5
Fent, K., Chew, G., Li, J., Gomez, E., 2014. Benzotriazole UV-stabilizers and
benzotriazole: Antiandrogenic activity in vitro and activation of aryl hydrocarbon
receptor pathway in zebrafish eleuthero-embryos. Sci. Total Environ. 482–483, 125–
136. doi:10.1016/j.scitotenv.2014.02.109
Fletcher, S., McKinley, E., Buchan, K.C., Smith, N., McHugh, K., 2013. Effective
practice in marine spatial planning: A participatory evaluation of experience in
Southern England. Mar. Policy 39, 341–348. doi:10.1016/j.marpol.2012.09.003
Forum, W.E., 2016. The New Plastics Economy–Rethinking the Future of Plastics.
39

World Economic Forum, Ellen MacArthur Foundation and McKinsey & Company.
Friedrich, L.A., Jefferson, R., Glegg, G., 2014. Public perceptions of sharks: Gathering
support for shark conservation. Mar. Policy 47, 1–7.
doi:10.1016/j.marpol.2014.02.003
Fromme, H., Küchler, T., Otto, T., Pilz, K., Müller, J., Wenzel, A., 2002. Occurrence of
phthalates and bisphenol A and F in the environment. Water Res. 36, 1429–1438.
doi:10.1016/S0043-1354(01)00367-0
Gall, S.C., Thompson, R.C., 2015. The impact of debris on marine life. Mar. Pollut. Bull.
92, 170–179. doi:10.1016/j.marpolbul.2014.12.041
GESAMP, 2015. Sources, fate and effects of MP in the marine environment, in:
Kershaw, P.J. (Ed.), International Maritime Organization. IMO/FAO/UNESCOIOC/UNIDO/WMO/IAEA/UN/UNEP/UNDP Joint Group of Experts on the
Scientific Aspects of Marine Environmental Protection, p. 96.
Gesto, M., Soengas, J.L., Míguez, J.M., 2008. Acute and prolonged stress responses of
brain monoaminergic activity and plasma cortisol levels in rainbow trout are
modified by PAHs (naphthalene, β-naphthoflavone and benzo(a)pyrene) treatment.
Aquat. Toxicol. 86, 341–351. doi:10.1016/j.aquatox.2007.11.014
Geyer, R., Jambeck, J.R., Law, K.L., 2017. Production, use, and fate of all plastics ever
made. Sci. Adv. 3. doi:10.1126/sciadv.1700782
Gochfeld, M., 1973. Effect of artefact pollution on the viability of seabird colonies on
Long Island, New York. Environ. Pollut. 4, 1–6.
Goksøyr, A., Husøy, A.M., 1998. Immunochemical approaches to studies of CYP1A
localization and induction by xenobiotics in fish. EXS 86, 165–202.
Gonçalves, R., Scholze, M., Ferreira, A.M., Martins, M., Correia, A.D., 2008. The joint
effect of polycyclic aromatic hydrocarbons on fish behavior. Environ. Res. 108,
205–213. doi:10.1016/j.envres.2008.07.008
Gregory, M.R., 1991. The hazards of persistent marine pollution: Drift plastics and
conservation islands. J. R. Soc. New Zeal. 21, 83–100.
doi:10.1080/03036758.1991.10431398
Gregory, M.R., 1978. Accumulation and distribution of virgin plastic granules on New
Zealand beaches. New Zeal. J. Mar. Freshw. Res. 12, 399–414.
Guerrero, P.F., 1994. Toxic substances control act: EPA’s limited progress in regulating
toxic chemicals.
40

Halpern, B.S., Walbridge, S., Selkoe, K.A., Kappel, C. V., Micheli, F., D’Agrosa, C.,
Bruno, J.F., Casey, K.S., Ebert, C., Fox, H.E., Fujita, R., Heinemann, D., Lenihan,
H.S., Madin, E.M.P., Perry, M.T., Selig, E.R., Spalding, M., Steneck, R., Watson,
R., 2008. A Global Map of Human Impact on Marine Ecosystems. Science (80-. ).
319, 948–952. doi:10.1126/science.1149345
He, G., Denison, M., 2014. Detection of Estrogenic Activity in Plastic Cups and Plates.
Hicken, C.E., Linbo, T.L., Baldwin, D.H., Willis, M.L., Myers, M.S., Holland, L.,
Larsen, M., Stekoll, M.S., Rice, S.D., Collier, T.K., Scholz, N.L., Incardona, J.P.,
2011. Sublethal exposure to crude oil during embryonic development alters cardiac
morphology and reduces aerobic capacity in adult fish. Proc. Natl. Acad. Sci. U. S.
A. 108, 7086–7090. doi:10.1073/pnas.1019031108
Houde, E.D., 1997. Patterns and trends in larval-stage growth and mortality of teleost
fish. J. Fish Biol. 51, 52–83. doi:10.1111/j.1095-8649.1997.tb06093.x
Huang, L., Wang, C., Zhang, Y., Wu, M., Zuo, Z., 2013. Phenanthrene causes ocular
developmental toxicity in zebrafish embryos and the possible mechanisms involved.
J. Hazard. Mater. 261, 172–180. doi:10.1016/j.jhazmat.2013.07.030
Hughes, G.R., Bass, A.J., Mentis, M.T., 1970. Further studies on marine turtles in
Tongaland, III. Lammergeyer 7, 4–5.
Incardona, J.P., Carls, M.G., Teraoka, H., Sloan, C.A., Collier, T.K., Scholz, N.L., 2005.
Aryl hydrocarbon receptor-independent toxicity of weathered crude oil during fish
development. Environ. Health Perspect. 113, 1755–1762. doi:10.1289/ehp.8230
Incardona, J.P., Day, H.L., Collier, T.K., Scholz, N.L., 2006. Developmental toxicity of
4-ring polycyclic aromatic hydrocarbons in zebrafish is differentially dependent on
AH receptor isoforms and hepatic cytochrome P4501A metabolism. Toxicol. Appl.
Pharmacol. 217, 308–321. doi:10.1016/j.taap.2006.09.018
IPCS, 2002. Global assessment of the state-of-the science of endocrine disruptors 1–190.
Ivar do Sul, J.A., Costa, M.F., Barletta, M., Cysneiros, F.J.A., 2013. Pelagic
microplastics around an archipelago of the Equatorial Atlantic. Mar. Pollut. Bull. 75,
305–309. doi:10.1016/j.marpolbul.2013.07.040
Jambeck, J.R., Geyer, R., Wilcox, C., Siegler, T.R., Perryman, M., Andrady, A.,
Narayan, R., Law, K.L., 2015. Plastic waste inputs from land into the ocean. Science
(80-. ). 347, 768–771. doi:10.1126/science.1260352
Jett, D.A., Navoa, R. V, Lyons, M.A., 1999. Additive inhibitory action of chlorpyrifos
and polycyclic aromatic hydrocarbons on acetylcholinesterase activity in vitro.
41

Toxicol. Lett. 105, 223–9. doi:10.1016/S0378-4274(99)00010-7
Johnson, L.L., Collier, T.K., Stein, J.E., 2002. An analysis in support of sediment quality
thresholds for polycyclic aromatic hydrocarbons (PAHs) to protect estuarine fish.
Aquat. Conserv. Mar. Freshw. Ecosyst. 12, 517–538. doi:10.1002/aqc.522
Kais, B., Stengel, D., Batel, A., Braunbeck, T., 2015. Acetylcholinesterase in zebrafish
embryos as a tool to identify neurotoxic effects in sediments. Environ. Sci. Pollut.
Res. 22, 16329–16339. doi:10.1007/s11356-014-4014-1
Kartar, S., Abou-Seedo, F., Sainsbury, M., 1976. Polystyrene spherules in the Severn
Estuary—a progress report. Mar. Pollut. Bull. 7, 52.
Kawamura, S., Takeshita, K., Tsujimura, T., Kasagi, S., Matsumoto, Y., 2005.
Evolutionarily conserved and divergent regulatory sequences in the fish rod opsin
promoter. Comp. Biochem. Physiol. - B Biochem. Mol. Biol. 141, 391–399.
doi:10.1016/j.cbpc.2005.03.008
Kenyon, K., Kridler, E., 1969. Laysan Albatrosses Swallow Indigestible Matter. Auk 86,
339–343.
Kidd, K.A., Blanchfield, P.J., Mills, K.H., Palace, V.P., Evans, R.E., Lazorchak, J.M.,
Flick, R.W., 2007. Collapse of a fish population after exposure to a synthetic
estrogen. Proc. Natl. Acad. Sci. 104, 8897–8901. doi:10.1073/pnas.0609568104
Kim, J., Lauderdale, J.D., 2008. Overexpression of pairedless Pax6 in the retina disrupts
corneal development and affects lens cell survival. Dev. Biol. 313, 434–454.
doi:10.1016/j.ydbio.2007.10.043
Koelmans, A., Bakir, A., Allen, G., || B., Janssen, C.R., Koelmans, A., Burton, G.A.,
Janssen, C.R., 2016. Microplastic as a Vector for Chemicals in the Aquatic
Environment: Critical Review and Model-Supported Reinterpretation of Empirical
Studies. Environ. Sci. Technol. 50, 3315–3326. doi:10.1021/acs.est.5b06069
Koelmans, A., Besseling, E., Foekema, E.M., 2014. Leaching of plastic additives to
marine organisms. Environ. Pollut. 187, 49–54. doi:10.1016/j.envpol.2013.12.013
Koelmans, A., Besseling, E., Wegner, A., Foekema, M., 2013. Plastic as a carrier of
POPs to aquatic organisms : A model analysis . Plastic as a carrier of POPs to
aquatic organisms : A model analysis . 1–21. doi:10.1021/es401169n
Kuiper, G.G.J.M., Lemmen, J.G., Carlsson, B.O., Corton, J.C., Safe, S.H., Van Der Saag,
P.T., Van Der Burg, B., Gustafsson, J.-A., 1998. Interaction of estrogenic chemicals
and phytoestrogens with estrogen receptor β. Endocrinology 139, 4252–4263.
42

Laist, D.W., 1997. Impacts of Marine Debris: Entanglement ofMarine Life in Marine
Debris Including a Comprehensive List of Species with Entanglement and IngestiOn
Records, in: Coe, J.M., Rogers, D.B. (Eds.), Marine Debris, Springer Series on
Environmental Management. Springer New York, New York, NY. doi:10.1007/9781-4613-8486-1
Laist, D.W., 1987. Overview of the biological effects of lost and discarded plastic debris
in the marine environment. Mar. Pollut. Bull. 18, 319–326. doi:10.1016/S0025326X(87)80019-X
Larcher, T., Perrichon, P., Vignet, C., Ledevin, M., Le Menach, K., Lyphout, L., Landi,
L., Clerandeau, C., Lebihanic, F., Ménard, D., Burgeot, T., Budzinski, H., Akcha, F.,
Cachot, J., Cousin, X., 2014. Chronic dietary exposure of zebrafish to PAH mixtures
results in carcinogenic but not genotoxic effects. Environ. Sci. Pollut. Res. 21,
13833–13849. doi:10.1007/s11356-014-2923-7
Lattin, G.L., Moore, C.J., Zellers, A.F., Moore, S.L., Weisberg, S.B., 2004. A
comparison of neustonic plastic and zooplankton at different depths near the
southern California shore. Mar. Pollut. Bull. 49, 291–294.
doi:10.1016/j.marpolbul.2004.01.020
Lavers, J.L., Bond, A.L., Hutton, I., 2014. Plastic ingestion by flesh-footed shearwaters
(Puffinus carneipes): Implications for fledgling body condition and the accumulation
of plastic-derived chemicals. Environ. Pollut. 187, 124–129.
doi:10.1016/j.envpol.2013.12.020
Law, K.L., 2010. Plastic Accumulation in the North Atlantic Subtropical Gyre. Science
(80-. ). 329, 1185–1188. doi:10.1126/science.1192321
Le, H.H., Carlson, E.M., Chua, J.P., Belcher, S.M., 2008. Bisphenol A is released from
polycarbonate drinking bottles and mimics the neurotoxic actions of estrogen in
developing cerebellar neurons. Toxicol. Lett. 176, 149–156.
Lebreton, L.C.M., Van Der Zwet, J., Damsteeg, J.W., Slat, B., Andrady, A., Reisser, J.,
2017. River plastic emissions to the world’s oceans. Nat. Commun. 8, 15611.
doi:10.1038/ncomms15611
LIFE, 1955. Throwaway living: Disposable items cut down household chores. Life 39,
43–44.
Lithner, D., Damberg, J., Dave, G., Larsson, Å., 2009. Leachates from plastic consumer
products - Screening for toxicity with Daphnia magna. Chemosphere 74, 1195–
1200. doi:10.1016/j.chemosphere.2008.11.022
Lithner, D., Larsson, A., Dave, G., 2011. Environmental and health hazard ranking and
43

assessment of plastic polymers based on chemical composition. Sci. Total Environ.
409, 3309–3324. doi:10.1016/j.scitotenv.2011.04.038
Liu, Y., Ye, F., Li, Q., Tamiya, S., Darling, D.S., Kaplan, H.J., Dean, D.C., 2009. Zeb1
represses Mitf and regulates pigment synthesis, cell proliferation, and epithelial
morphology. Investig. Ophthalmol. Vis. Sci. 50, 5080–5088. doi:10.1167/iovs.082911

Lotze, H.K., Guest, H., O’Leary, J., Tuda, A., Wallace, D., 2018. Public perceptions of
marine threats and protection from around the world. Ocean Coast. Manag. 152, 14–
22. doi:10.1016/j.ocecoaman.2017.11.004
Mager, E.M., Esbaugh, A.J., Stieglitz, J.D., Hoenig, R., Bodinier, C., Incardona, J.P.,
Scholz, N.L., Benetti, D.D., Grosell, M., 2014. Acute embryonic or juvenile
exposure to deepwater horizon crude oil impairs the swimming performance of
mahi-mahi (Coryphaena hippurus). Environ. Sci. Technol. 48, 7053–7061.
doi:10.1021/es501628k
McKinley, E., Fletcher, S., 2010. Individual responsibility for the oceans? An evaluation
of marine citizenship by UK marine practitioners. Ocean Coast. Manag. 53, 379–
384. doi:10.1016/j.ocecoaman.2010.04.012
Miller, D.H., Ankley, G.T., 2004. Modeling impacts on populations: Fathead minnow
(Pimephales promelas) exposure to the endocrine disruptor 17??-trenbolone as a
case study. Ecotoxicol. Environ. Saf. 59, 1–9. doi:10.1016/j.ecoenv.2004.05.005
Mochii, M., Mazaki, Y., Mizuno, N., Hayashi, H., Eguchi, G., 1998. Role of Mitf in
Differentiation and Transdifferentiation of Chicken Pigmented Epithelial Cell. Dev.
Biol. 193, 47–62. doi:10.1006/dbio.1997.8800
Moore, C.., Moore, S.., Leecaster, M.., Weisberg, S.., 2001. A Comparison of Plastic and
Plankton in the North Pacific Central Gyre. Mar. Pollut. Bull. 42, 1297–1300.
doi:10.1016/S0025-326X(01)00114-X
Moore, C.J., 2008. Synthetic polymers in the marine environment: A rapidly increasing,
long-term threat. Environ. Res. 108, 131–139. doi:10.1016/j.envres.2008.07.025
Moore, C.J., Moore, S.L., Weisberg, S.B., Lattin, G.L., Zellers, A.F., 2002. A
comparison of neustonic plastic and zooplankton abundance in southern California’s
coastal waters. Mar. Pollut. Bull. 44, 1035–1038. doi:10.1016/S0025326X(02)00150-9
Moore, S.L., Allen, M.J., 1998. Distribution of Anthropogenic and Natural Debris on the
44

Main- land Shelf of the Southern California Bight. Mar. Pollut. Bull. 40, 83–88.
Murphy, F., Ewins, C., Carbonnier, F., Quinn, B., 2016. Wastewater Treatment Works
(WwTW) as a Source of Microplastics in the Aquatic Environment. Environ. Sci.
Technol. 50, 5800–5808. doi:10.1021/acs.est.5b05416
Napper, I.E., Bakir, A., Rowland, S.J., Thompson, R.C., 2015. Characterisation, quantity
and sorptive properties of microplastics extracted from cosmetics. Mar. Pollut. Bull.
99, 178–185. doi:10.1016/j.marpolbul.2015.07.029
Newman, S., Watkins, E., Farmer, A., Brink, P., Schweitzer, J., 2015. The Economics of
Marine Litter, in: Bergmann M., Gutow L., K.M. (Ed.), Marine Anthropogenic
Litter. Springer.
Nicolas, J.M., 1999. Vitellogenesis in fish and the effects of polycyclic aromatic
hydrocarbon contaminants. Aquat. Toxicol. 45, 77–90. doi:10.1016/S0166445X(98)00095-2
Obbard, R.W., Sadri, S., Wong, Y.Q., Khitun, A.A., Baker, I., Thompson, R.C., 2014.
Global warming releases microplastic legacy frozen in Arctic Sea ice. Earth’s Futur.
2, 315–320. doi:10.1002/2014EF000240
Oehlmann, J., Schulte-Oehlmann, U., Kloas, W., Jagnytsch, O., Lutz, I., Kusk, K.O.,
Wollenberger, L., Santos, E.M., Paull, G.C., Van Look, K.J.W., Tyler, C.R., 2009.
A critical analysis of the biological impacts of plasticizers on wildlife. Philos. Trans.
R. Soc. B Biol. Sci. 364, 2047–2062. doi:10.1098/rstb.2008.0242
Oigman-Pszczol, S.S., Creed, J.C., 2007. Quantification and Classification of Marine
Litter on Beaches along Armação dos Búzios, Rio de Janeiro, Brazil. J. Coast. Res.
232, 421–428. doi:10.2112/1551-5036(2007)23[421:QACOML]2.0.CO;2
Oliveira, M., Gravato, C., Guilhermino, L., 2012a. Acute toxic effects of pyrene on
Pomatoschistus microps (Teleostei, Gobiidae): Mortality, biomarkers and swimming
performance. Ecol. Indic. 19, 206–214. doi:10.1016/j.ecolind.2011.08.006
Oliveira, M., Gravato, C., Guilhermino, L., 2012b. Acute toxic effects of pyrene on
Pomatoschistus microps (Teleostei, Gobiidae): Mortality, biomarkers and swimming
performance. Ecol. Indic. 19, 206–214. doi:10.1016/j.ecolind.2011.08.006
Palczewski, K., 2006. G Protein – Coupled Receptor Rhodopsin. Annu. Rev. Biochem.
75, 1–15. doi:10.1146/annurev.biochem.75.103004.142743
Peng, G., Zhu, B., Yang, D., Su, L., Shi, H., Li, D., 2017. Microplastics in sediments of
the Changjiang Estuary, China. Environ. Pollut. 225, 283–290.
doi:10.1016/j.envpol.2016.12.064
45

Peterson, R.E., Theobald, H.M., Kimmel, G.L., 1993. Developmental and reproductive
toxicity of dioxins and related compounds: Cross-species comparisons. Crit Rev
Toxicol 23, 283–335.
Petrulis, J.R., Perdew, G.H., 2002. The role of chaperone proteins in the aryl hydrocarbon
receptor core complex. Chem. Biol. Interact. 141, 25–40. doi:10.1016/S00092797(02)00064-9
PlasticsEurope, 2016. Plastics—The Facts 2016: An Analysis of European Plastics
Production, Demand and Waste Data.
Plaut, I., 2001. Critical swimming speed: Its ecological relevance. Comp. Biochem.
Physiol. - A Mol. Integr. Physiol. 131, 41–50. doi:10.1016/S1095-6433(01)00462-7
Poland, A., Knutson, J.C., 1982. 2,3,7,8-Tetrachlorodibenzo- p -Dioxin and Related
Halogenated Aromatic Hydrocarbons: Examination of the Mechanism of Toxicity.
Annu. Rev. Pharmacol. Toxicol. 22, 517–554.
doi:10.1146/annurev.pa.22.040182.002505
Poland A, K.J., 1982. 2,3,7,8-Tetrachlorodibenzo-p-dioxin and related halogenated
aromatic hydrocarbons: Examination of the mechanism of toxicity. Annu Rev
Pharmacol Toxicol 22, 517–554.
Redford, D.P., Trulli, H.K., Trulli, W.R., 1997. Sources of plastic pellets in the aquatic
environment, in: Marine Debris. Springer, pp. 335–343.
Reynaud, S., Deschaux, P., 2006. The effects of polycyclic aromatic hydrocarbons on the
immune system of fish: A review. Aquat. Toxicol. 77, 229–238.
doi:10.1016/j.aquatox.2005.10.018
Rios, L.M., Moore, C., Jones, P.R., 2007. Persistent organic pollutants carried by
synthetic polymers in the ocean environment. Mar. Pollut. Bull. 54, 1230–1237.
doi:10.1016/j.marpolbul.2007.03.022
Rochester, J.R., 2013. Bisphenol A and human health : A review of the literature. Reprod.
Toxicol. 42, 132–155. doi:10.1016/j.reprotox.2013.08.008
Rochester, J.R., Bolden, A.L., 2015. Bisphenol S and F: A Systematic Review and
Comparison of the Hormonal Activity of Bisphenol A Substitutes Johanna. Environ.
Health Perspect. 123, 643–650.
Rochman, C.M., 2015. The Complex Mixture, Fate and Toxicity of Chemicals
Associated with Plastic Debris in the Marine Environment, in: Bergmann, M.,
Gutow, L., Klages, M. (Eds.), Marine Anthropogenic Litter. Springer International
Publishing, Cham, pp. 117–140. doi:10.1007/978-3-319-16510-3_5
46

Rochman, C.M., 2013. Plastics and priority pollutants: A multiple stressor in aquatic
habitats. Environ. Sci. Technol. 47, 2439–2440. doi:10.1021/es400748b
Rochman, C.M., Browne, M.A., Halpern, B.S., Hentschel, B.T., Hoh, E., Karapanagioti,
H.K., Rios-Mendoza, L.M., Takada, H., Teh, S., Thompson, R.C., 2013a. Policy:
Classify plastic waste as hazardous. Nature 494, 169–171. doi:10.1038/494169a
Rochman, C.M., Browne, M.A., Underwood, A.J., Van Franeker, J.A., Thompson, R.C.,
Amaral-Zettler, L.A., 2016a. The ecological impacts of marine debris: Unraveling
the demonstrated evidence from what is perceived. Ecology 97. doi:10.1890/142070.1
Rochman, C.M., Cook, A., Koelmans, A., 2016b. Plastic debris and policy: Using current
scientific understanding to invoke positive change. Environ. Toxicol. Chem. 35,
1617–1626. doi:10.1002/etc.3408
Rochman, C.M., Hoh, E., Kurobe, T., Teh, S.J., 2013b. Ingested plastic transfers
hazardous chemicals to fish and induces hepatic stress. Sci. Rep. 3, 3263.
doi:10.1038/srep03263
Rochman, C.M., Kurobe, T., Flores, I., Teh, S.J., 2014. Early warning signs of endocrine
disruption in adult fish from the ingestion of polyethylene with and without sorbed
chemical pollutants from the marine environment. Sci. Total Environ. 493, 656–661.
doi:10.1016/j.scitotenv.2014.06.051
Rochman, C.M., Tahir, A., Williams, S.L., Baxa, D. V, Lam, R., Miller, J.T., Teh, F.-C.,
Werorilangi, S., Teh, S.J., 2015. Anthropogenic debris in seafood: Plastic debris and
fibers from textiles in fish and bivalves sold for human consumption. Sci. Rep. 5,
14340. doi:10.1038/srep14340
Rogers, J.M., Denison, M.S., 2000. Recombinant cell bioassays for endocrine disruptors:
development of a stably transfected human ovarian cell line for the detection of
estrogenic and anti-estrogenic chemicals. In Vitr. Mol. Toxicol. 13, 67–82.
Rosevelt, C., Los Huertos, M., Garza, C., Nevins, H.M., 2013. Marine debris in central
California: Quantifying type and abundance of beach litter in Monterey Bay, CA,
Marine Pollution Bulletin. doi:10.1016/j.marpolbul.2013.01.015
Ryan, P.G., 2015. A Brief History of Marine Litter Research, in: Bergmann, M., Gutow,
L., Klages, M. (Eds.), Marine Anthropogenic Litter. Springer International
Publishing, Cham, pp. 1–25. doi:10.1007/978-3-319-16510-3_1
Safe, S.H., 1998. Hazard and risk assessment of chemical mixtures using the toxic
equivalency factor approach. Environ. Health Perspect. 106 Suppl, 1051–8.
doi:10.2307/3434151
47

Schlenk, D.; Perkins, E. J.; Hamilton, G.; Zhang, Y. S.; Layher, W, 1996. Correlation of
Hepatic Biomarkers with Whole Animal and Population-Community Metrics.
Can. J. Fish. Aquat. Sci., 53 (10), 2299–2309.
Schmidt, C., Krauth, T., Wagner, S., 2017. Export of Plastic Debris by Rivers into the
Sea 12246–12253. doi:10.1021/acs.est.7b02368
Schnörr, S.J., Steenbergen, P.J., Richardson, M.K., Champagne, D.L., 2012. Measuring
thigmotaxis in larval zebrafish. Behav. Brain Res. 228, 367–374.
doi:10.1016/j.bbr.2011.12.016
Setälä, O., Fleming-Lehtinen, V., Lehtiniemi, M., 2014. Ingestion and transfer of
microplastics in the planktonic food web. Environ. Pollut. 185, 77–83.
doi:10.1016/j.envpol.2013.10.013
Sighicelli, M., Pietrelli, L., Lecce, F., Iannilli, V., Falconieri, M., Coscia, L., Di Vito, S.,
Nuglio, S., Zampetti, G., 2018. Microplastic pollution in the surface waters of Italian
Subalpine Lakes. Environ. Pollut. 236, 645–651. doi:10.1016/j.envpol.2018.02.008
Spear, L.B., Ainley, D.G., Ribic, C.A., 1995. Incidence of plastic in seabirds from the
tropical pacific, 1984-1991: Relation with distribution of species, sex, age, season,
year and body weight. Mar. Environ. Res. 40, 123–146. doi:10.1016/01411136(94)00140-K
Stewart, A., Cachat, J., Wong, K., Gaikwad, S., Gilder, T., DiLeo, J., Chang, K.,
Utterback, E., Kalueff, A. V., 2010. Homebase behavior of zebrafish in noveltybased paradigms. Behav. Processes 85, 198–203. doi:10.1016/j.beproc.2010.07.009
Stewart, A., Wu, N., Cachat, J., Hart, P., Gaikwad, S., Wong, K., Utterback, E., Gilder,
T., Kyzar, E., Newman, A., Carlos, D., Chang, K., Hook, M., Rhymes, C., Caffery,
M., Greenberg, M., Zadina, J., Kalueff, A. V., 2011. Pharmacological modulation of
anxiety-like phenotypes in adult zebrafish behavioral models. Prog. NeuroPsychopharmacology Biol. Psychiatry 35, 1421–1431.
doi:10.1016/j.pnpbp.2010.11.035
Stickel, B.H., Jahn, A., Kier, B., 2012. The cost to West Coast communities of dealing
with trash, reducing marine debris.
Syberg, K., Khan, F.R., Selck, H., Palmqvist, A., Banta, G.T., Daley, J., Sano, L.,
Duhaime, M.B., 2015. Microplastics: Addressing ecological risk through lessons
learned. Environ. Toxicol. Chem. 34, 945–953. doi:10.1002/etc.2914
Tanaka, K., Takada, H., Yamashita, R., Mizukawa, K., Fukuwaka, M. aki, Watanuki, Y.,
2013. Accumulation of plastic-derived chemicals in tissues of seabirds ingesting
marine plastics. Mar. Pollut. Bull. 69, 219–222.
48

doi:10.1016/j.marpolbul.2012.12.010
Tanaka, K., Takada, H., Yamashita, R., Mizukawa, K., Fukuwaka, M., Watanuki, Y.,
2015. Facilitated Leaching of Additive-Derived PBDEs from Plastic by Seabirds’
Stomach Oil and Accumulation in Tissues. Environ. Sci. Technol. 49, 11799–11807.
doi:10.1021/acs.est.5b01376
Teuten, E.L., Saquing, J.M., Knappe, D.R.U., Barlaz, M.A., Jonsson, S., Björn, A.,
Rowland, S.J., Thompson, R.C., Galloway, T.S., Yamashita, R., Ochi, D., Watanuki,
Y., Moore, C., Viet, P.H., Tana, T.S., Prudente, M., Boonyatumanond, R., Zakaria,
M.P., Akkhavong, K., Ogata, Y., Hirai, H., Iwasa, S., Mizukawa, K., Hagino, Y.,
Imamura, A., Saha, M., Takada, H., 2009. Transport and release of chemicals from
plastics to the environment and to wildlife. Philos. Trans. R. Soc. Lond. B. Biol. Sci.
364, 2027–45. doi:10.1098/rstb.2008.0284
Thompson, R.C., 2010. Spatial Patterns of Plastic Debris along Estuarine Shorelines.
Environ. Sci. Technol. 2010, 44, 3404–3409. doi:10.1021/es903784e
Thompson, R.C., Olson, Y., Mitchell, R.P., Davis, A., Rowland, S.J., John, A.W.G.,
McGonigle, D., Russell, A.E., 2004. Lost at Sea: Where Is All the Plastic? Science
(80-. ). 304, 838. doi:10.1126/science.1094559
Tillitt, D.E., Carvalho, P.S.M., 2004. Structure and Function in Swim-Up Rainbow Trout.
Environ. Sci. Technol. 38, 6300–6306.
U.S. Dept. of the Interior, Minerals Management Service, A.O.C.S.R., 1985. Proposed
North Aleutian Basin lease sale (sale 92): draft environmental impact statement.
Business & Economics.
UNEP, 2014. Year Book.
UNEP and NOAA, 2015. The Honolulu Strategy: a global framework for prevention and
management of marine debris.
USEPA, 2013. Water: CWA methods—priority pollutants.
Van, A., Rochman, C.M., Flores, E.M., Hill, K.L., Vargas, E., Vargas, S.A., Hoh, E.,
2012. Persistent organic pollutants in plastic marine debris found on beaches in San
Diego, California. Chemosphere 86, 258–263.
doi:10.1016/j.chemosphere.2011.09.039
Van Cauwenberghe, L., Vanreusel, A., Mees, J., Janssen, C.R., 2013. Microplastic
pollution in deep-sea sediments. Environ. Pollut. 182, 495–499.
doi:10.1016/j.envpol.2013.08.013
49

van Franeker, J.A., Blaize, C., Danielsen, J., Fairclough, K., Gollan, J., Guse, N., Hansen,
P.-L., Heubeck, M., Jensen, J.-K., Le Guillou, G., Olsen, B., Olsen, K.-O., Pedersen,
J., Stienen, E.W.M., Turner, D.M., 2011. Monitoring plastic ingestion by the
northern fulmar Fulmarus glacialis in the North Sea. Environ. Pollut. 159, 2609–
2615. doi:10.1016/j.envpol.2011.06.008
Vandenberg, L.N., Colborn, T., Hayes, T.B., Heindel, J.J., Jacobs, D.R., Lee, D.H.,
Shioda, T., Soto, A.M., vom Saal, F.S., Welshons, W. V., Zoeller, R.T., Myers, J.P.,
2012. Hormones and endocrine-disrupting chemicals: Low-dose effects and
nonmonotonic dose responses. Endocr. Rev. 33, 378–455. doi:10.1210/er.2011-1050
Vandenberg, L.N., Hauser, R., Marcus, M., Olea, N., Welshons, W. V, 2007. Human
exposure to bisphenol A (BPA). Reprod. Toxicol. 24, 139–177.
Vandenberg, L.N., Maffini, M. V., Sonnenschein, C., Rubin, B.S., Soto, A.M., 2009.
Bisphenol-a and the great divide: A review of controversies in the field of endocrine
disruption. Endocr. Rev. 30, 75–95. doi:10.1210/er.2008-0021
Vignet, C., Devier, M.H., Le Menach, K., Lyphout, L., Potier, J., Cachot, J., Budzinski,
H., B??gout, M.L., Cousin, X., 2014a. Long-term disruption of growth,
reproduction, and behavior after embryonic exposure of zebrafish to PAH-spiked
sediment. Environ. Sci. Pollut. Res. 21, 13877–13887. doi:10.1007/s11356-0142585-5
Vignet, C., Le Menach, K., Lyphout, L., Guionnet, T., Fr??re, L., Leguay, D., Budzinski,
H., Cousin, X., B??gout, M.L., 2014b. Chronic dietary exposure to pyrolytic and
petrogenic mixtures of PAHs causes physiological disruption in zebrafish???part II:
behavior. Environ. Sci. Pollut. Res. 21, 13818–13832. doi:10.1007/s11356-0142762-6
vom Saal, F.S., Hughes, C., 2005. An extensive new literature concerning low-dose
effects of bisphenol A shows the need for a new risk assessment. Environ. Health
Perspect. 113, 926–933. doi:10.1289/ehp.7713
Von Moos, N., Burkhardt-Holm, P., Köhler, A., 2012. Uptake and effects of
microplastics on cells and tissue of the blue mussel Mytilus edulis L. after an
experimental exposure. Environ. Sci. Technol. 46, 11327–11335.
doi:10.1021/es302332w
Watson, C.S., Bulayeva, N.N., Wozniak, A.L., Finnerty, C.C., 2005. Signaling from the
membrane via membrane estrogen receptor-α: estrogens, xenoestrogens, and
phytoestrogens. Steroids 70, 364–371.
Whyte, J.J., Herbert, K.L., Karrow, N.A., Dixon, D.G., Sivak, J.G., Bols, N.C., 2000.
Effect of maintaining rainbow trout in creosote microcosms on lens optical
50

properties and liver 7-ethoxyresorufin-O-deethylase (EROD) activity. Arch.
Environ. Contam. Toxicol. 38, 350–356. doi:10.1007/s002449910046
Willett, K.L., Wassenberg, D., Lienesch, L., Reichert, W., Di Giulio, R.T., 2001. In vivo
and in vitro inhibition of CYP1A-dependent activity in Fundulus heteroclitus by the
polynuclear aromatic hydrocarbon fluoranthene. Toxicol. Appl. Pharmacol. 177,
264–271. doi:10.1006/taap.2001.9296
Wong, C.S., Green, D.R., Cretney, W.J., 1974. Quantitative tar and plastic waste
distributions in the Pacific Ocean. Nature 247, 30.
Woodall, L.C., Sanchez-Vidal, A., Canals, M., Paterson, G.L.J., Coppock, R., Sleight, V.,
Calafat, A., Rogers, A.D., Narayanaswamy, B.E., Thompson, R.C., 2014. The deep
sea is a major sink for microplastic debris. R. Soc. Open Sci. 1, 140317–140317.
doi:10.1098/rsos.140317
Wright, S., Rowe, D., Thompson, R.C., Galloway, T.S., 2013. Microplastic ingestion
decreases energy reserves in marine worms. Curr. Biol. 23, R1031–R1033.
doi:10.1016/j.cub.2013.10.068
Wright, S.L., Thompson, R.C., Galloway, T.S., 2013. The physical impacts of
microplastic on marine organisms. Environ. Pollut. 178, 483–492.
Wyles, K.J., Pahl, S., Thomas, K., Thompson, R.C., 2016. Factors That Can Undermine
the Psychological Benefits of Coastal Environments: Exploring the Effect of Tidal
State, Presence, and Type of Litter. Environ. Behav. 48, 1095–1126.
doi:10.1177/0013916515592177
Xanthos, D., Walker, T.R., 2017. International policies to reduce plastic marine pollution
from single-use plastics (plastic bags and microbeads): A review. Mar. Pollut. Bull.
118, 17–26. doi:10.1016/j.marpolbul.2017.02.048
Xu, E.G., Mager, E.M., Grosell, M., Pasparakis, C., Schlenker, L.S., Stieglitz, J.D.,
Benetti, D., Hazard, E.S., Courtney, S.M., Diamante, G., Freitas, J., Hardiman, G.,
Schlenk, D., 2016. Time- and Oil-Dependent Transcriptomic and Physiological
Responses to Deepwater Horizon Oil in Mahi-Mahi (Coryphaena hippurus)
Embryos and Larvae. Environ. Sci. Technol. 50, 7842–7851.
doi:10.1021/acs.est.6b02205
Yang, C.Z., Yaniger, S.I., Jordan, V.C., Klein, D.J., Bittner, G.D., 2011. Most Plastic
Products Release Estrogenic Chemicals: A Potential Health Problem That Can Be
Solved. Environ. Health Perspect. 119, 989–996. doi:10.1289/ehp.1003220
Yokoyama, S., 2000. Molecular evolution of vertebrate visual pigments. Prog. Retin. Eye
Res. 19, 385–419. doi:10785616
51

Zhao, S., Danley, M., Ward, J.E., Li, D., Mincer, T.J., 2017. An approach for extraction,
characterization and quantitation of microplastic in natural marine snow using
Raman microscopy. Anal. Methods 9, 1470–1478. doi:10.1039/c6ay02302a
Zhao, S., Zhu, L., Li, D., 2015. Microplastic in three urban estuaries, China. Environ.
Pollut. 206, 597–604. doi:10.1016/j.envpol.2015.08.027
Zhao, S., Zhu, L., Wang, T., Li, D., 2014. Suspended microplastics in the surface water
of the Yangtze Estuary System, China: First observations on occurrence,
distribution. Mar. Pollut. Bull. 86, 562–568. doi:10.1016/j.marpolbul.2014.06.032

52

Chapter 2: Comparisons of analytical chemistry and biological activities of
extracts from North Pacific gyre plastics with UV-treated and untreated plastics
using in vitro and in vivo models
Abstract
Plastic debris is an emerging worldwide threat to marine biota. Marine species
may face unique challenges in low-flow estuarine systems with a high abundance of
“macro-sized” (>4.75 mm) plastic due to the leaching of constituents and adsorbed
contaminants. To simulate this leaching process, plastic samples recovered from the
North Pacific Gyre along with corresponding UV-irradiated virgin plastic and nonirradiated virgin plastic (“virgin plastic”) counterparts were incubated in saltwater for 30
days at ambient temperatures ranging from 17-25 C. Following solid-phase extraction,
water samples were fractionated with sequential methanol elution from 10-100% and
evaluated using in vitro assays assessing estrogen receptor (ER) and aryl hydrocarbon
receptor (AhR) activities. In vivo responses (vitellogenin [vtg] and cytochrome p450 1A
[cyp1a] mRNA) were measured following 5-day exposures in Japanese medaka (Oryzias
latipes) larvae (3 days post hatch). Estrogenic plasticizers, co-planar PCBs and PAHs
were quantified in the extracts using targeted GC-MS/MS and UPLC-MS/MS. In vitro
estrogenicity showed highest activity in the 70% methanol fraction for all plastic leachate
exposures. Whole extract in vitro estradiol equivalent (EEQ) values were 4.34 ±2.65,
8.79 ±2.09 and 13.78±3.64 ng/L, for virgin plastic, UV-irradiated virgin plastic and North
Pacific Gyre-recovered plastic, respectively (mean ±SD). Significant vtg induction was
observed in medaka larvae exposed to leachate extracts from North Pacific Gyrerecovered plastic and UV-irradiated virgin plastic (9.9-fold, p=0.039 and 10.1-fold,
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p=0.042, respectively). Analytically-determined EEQ values were also localized in the
70% methanol fraction. Whole leachate extract EEQ values were 0.33 ± 0.07, 1.64 ± 0.62
and 11.4 ±2.13 ng/L, for virgin plastic, UV-irradiated virgin plastic and North Pacific
Gyre-recovered plastic, respectively. In-vitro AhR activity was highest in the 70%
methanol elution with greater activity in North Pacific Gyre-recovered plastic than in
virgin plastic and UV-irradiated virgin plastic (toxic equivalency [TEQ]=1.06 ± 0.54,
0.38 ± 0.07 and 0.71 ± 0.47 ng/L, respectively). CYP1A mRNA was significantly
induced in larval medaka exposed to North Pacific Gyre-recovered plastic leachates
(17.8-fold, p=0.02) while exposure to virgin plastic and UV-irradiated virgin plastic
leachates caused no significant change. Analytically-determined TEQ analysis for AhR
indicated highest activity in the 90% methanol fraction for all leachates, with whole
extract in vitro TEQs being 1.47 ±0.87, 0.03±0.05 and 0.42±0.38 ng/L for North Pacific
Gyre-recovered plastic, virgin plastic and UV-irradiated virgin plastic, respectively.
These results indicate that weathering and UV radiation release estrogenic plasticizers
and demonstrate the ability for plastics to transport adsorbed persistent organic pollutants
at eco-toxicologically relevant concentrations.
Introduction
In 2013, the United States generated 29.9 million metric tons of plastic waste
representing 12.8% of the total municipal solid waste (USEPA, 2015). According to an
estimate made by Jambeck et al. (2015) 2% of the municipal solid waste is mismanaged,
with an estimated 40,000-110,000 metric tons of plastic debris entering US coastal waters
every year. Macroplastic debris primarily enters the marine environment through rivers
(Lebreton et al., 2017; Schmidt et al., 2017), causing accumulation in sensitive estuarine
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environments (Ivar do Sul and Costa, 2013; Naidoo et al., 2015; Sadri and Thompson,
2014). Plastic may reside in estuarine systems for extended periods of time. Residence
time for plastic varies dramatically from months to years (Ivar do Sul and Costa, 2013;
Jay et al., 1997). In rivers in Southern California, microplastics (<4.75mm) have been
shown to outnumber macroplastics (>4.75mm) by particle count (16:1), however
macroplastics outweigh microplastics (7:1) (Moore et al., 2011). Trawl data of plastic
from near-shore tidal areas in Southern California shows a 10-20x increase in the
abundance of plastic following a rain event (Lattin et al., 2004), suggesting plastics may
spend relatively extended periods in riverine or estuarine environments.
To date, most of the research concerning eco-toxicological effects of marine
plastic debris has focused on microplastics (<4.75mm), which, although they outnumber
macro-plastics (>4.75mm) by particle count (12.4:1), macroplastics comprise ~75% of
the plastic in the ocean by mass (Eriksen et al., 2014). Many macroplastics are
transported to sea through rivers (Lambert et al., 2014; Ryan et al., 2009), hence,
abundances of macro-plastic is likely to be greater in rivers and estuaries than in the open
ocean. On the water surface in the open ocean, abundances of up to 0.02 items/m3 of
macroplastic have been measured (Carson et al., 2013). In riverine systems, surface
macro-plastics have been found at abundances up to 819 items/m3(Moore et al., 2011).
However, comparisons of abundance by volume between the open ocean and rivers and
estuaries are not reasonable due to the relatively infinite dilution effect of the ocean. Due
to size, extensive ingestion of macroplastic is unlikely for most fish; however, desorption
of intrinsic “plasticizer” compounds or other hydrophobic organic contaminants in
leachates may still affect marine and freshwater animals. Leaching of compounds from
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macroplastics is of particular concern in low-flow areas like tidepools, estuaries or
embayment’s where plastics may have long residence time and, due to more shallow
aquatic systems, higher exposure to UV radiation from sunlight (Andrady, 2011).
Developing fish are often reared in estuarine environments and may be at risk for
exposure (Houde, 1997).
Organic “plasticizer” compounds are often added to plastic polymers in order to
promote structural stability (Li et al., 2018). While some “plasticizers” are reactively
bonded into the polymer resins in order to inhibit degradation of the plastic (Boyer,
1951), a portion of plasticizers remain unreacted and, when exposed to environmental
conditions, such as, saltwater, heat and UV radiation, plasticizers may migrate into the
surrounding environment (Andrady et al., 1998; Yang et al., 2011). Many plasticassociated compounds are estrogenic in nature and elicit reproductive toxicity (Oehlmann
et al., 2009). For example, Bisphenol A (BPA) and phthalates which are high production
volume plastic-associated compounds have been shown to affect reproduction in several
species of aquatic organisms, including: Japanese medaka (Oryzias latipes) (Kim et al.,
2002), fathead minnow (Pimephales promelas) (Harries et al., 2000), carp (Cyprinius
carpio) (Mandich et al., 2007) and salmon (Salmo salar) (Norman et al., 2007). In many
of these studies, alterations in the expression of the gene for female egg-yolk protein,
vitellogenin (vtg), were significantly enhanced in male animals, serving as a useful
biomarker for estrogenic effects in fish (Kidd et al., 2007).
In addition to the leaching of intrinsic estrogenic plasticizers from commercial
plastic products, plastic may also act as a significant long-distance transport mechanism
for persistent organic pollutants (POPs) in water (Bakir et al., 2016; Gauquie et al.,
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2015). Due to their hydrophobicity, polychlorinated biphenyls (PCBs) and polycyclic
aromatic hydrocarbons (PAHs)-which are ubiquitous contaminants in the marine
environment- have been found to sorb to plastic in the environment at a high degree (106
times higher than surrounding seawater [Mato et al., 2001] and have an increased affinity
for plastic relative to sediment [Teuten et al., 2007]). Due to plastic’s high sorption
capacity (Teuten et al., 2007), plastic is capable of transporting contaminants over long
ranges and into areas with lower levels of pollution, such as the finding of high PCB
concentrations on plastic pellets in areas with low-contamination of PCBs in mussels
(Ogata et al., 2009;). While hydrophobic contaminants are more likely to adsorb to
plastics rather than desorb, at a high enough concentration of plastic: water, desorption of
carried contaminants may be relevant to surrounding biota (Teuten et al., 2009).
The transfer of organic contaminants to biota through the ingestion of
microplastics has been investigated (Bakir et al., 2016; Ma et al., 2016). The relative
importance of plastic as a transfer mechanism for ingested POPs to biota has been
modeled in a closed system using equilibrium partitioning, in which it was assumed that
the POP would be sorbed from the seawater in the immediate system (as opposed to
being transported from a more polluted system), and therefore be in equilibrium with the
system, concluding that sediment, prey and dermal exposure would be more relevant, and
plastic would have a negligible effect (Bakir et al., 2016). To date, no study has
demonstrated the ability of plastic to transfer POPs to biota via desorption and
subsequent dermal absorption (i.e. leaching) at environmentally-relevant concentrations.
This mechanism of transfer (leaching) may be more relevant for macroplastics relative to
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microplastics due to microplastic’s ability to transfer pollutants at a higher rate once
ingested (Bakir et al., 2016; Besseling et al., 2013a).
Some hydrophobic organic contaminants found adsorbed to marine plastics
(including some PAHs, co-planar PCBs and PBDEs) (Van et al., 2012) are dioxin-like
and exhibit toxicity through the aryl hydrocarbon receptor (AhR) pathway (Eljarrat and
Barceló, 2004). Upon exposure to dioxin-like compounds, the AhR is activated and then
translocates to the nucleus to dimerize with ARNT, leading to changes in xenobiotic
response-related gene transcription (Rowlands and Gustafsson, 1997), which may then
cause reproductive dysfunction, immunosuppression, cancer and early-life-stage
mortality (Peterson et al., 1993; Poland and Knutson, 1982). Following exposure to AhRbinding compounds, expression of the enzyme cytochrome P-450 monooxygenase 1A
(CYP1A) is up-regulated in fish, and, while not causal to producing toxicity, nonetheless
serves as a sensitive biomarker and early warning sign of AhR activation (Stegeman and
Hahn, 1994). Due to greater concentrations of hydrophobic organic contaminants in
riverine or estuarine environments relative to the open ocean (Fu et al., 2003; Olenycz et
al., 2015), the amount of contaminants sorbed onto plastics in rivers or estuaries is
expected to be comparable to plastic in marine waters, which have likely mixed with
organic contaminants through their extensive residence time and movement, and for some
combinations of pollutants and plastic, may have either an increased or decreased
sorption capacity in freshwater relative to saltwater (Bakir et al., 2014b, 2014a). Due to
the transport potential of toxic AhR compounds via plastic from terrestrial or riverine
environments to low-flow sensitive estuarine environments, leachate-induced toxicity
may be a relevant concern and to date has not been thoroughly explored.
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Using in vitro and in vivo bioassays for estrogenic and AhR-activation, the main
objective of this study was to evaluate the potential of macro-sized plastics to leach
chemicals in high enough concentrations that may impact organisms that co-habit
contaminated low-flow estuaries or tide pools. An additional objective was to determine
the extent to which environmental factors enhance the release and transport of chemicals,
including the effect of UV radiation on the release of contaminants from virgin plastic
and long-term weathering and exposure to hydrophobic contaminants in the marine
environment. Another objective was to identify contaminants responsible for the
measured in vitro and in vivo biological activity using fractionation of solid-phase
extracts of leachates and targeted analytical chemistry.
Methods
Materials
Instrumentation
FTIR measurements were carried out using a FTIR spectrometer (Bruker, Tensor
27) with a deuterated triglycine sulfate (DTGS) detector and a horizontal reflection Ge
attenuated total reflection (GATR) accessory (Harrick Scientific, 65° incidence angle). A
Wallac Victor II fluorescence plate reader (Perkin Elmer, Waltham, NY, USA) was used
for AhR assays. ER assays were analyzed using a luminometer (GloMax® Multi+
Detection System, Promega). RNA concentrations were measured using a Nanodrop
spectrophotometer (Thermo Fischer Scientific, Wilmington, DE). qPCR was performed
using a CFX Connect (Bio-Rad, Hercules, CA). PAHs were analyzed using an Agilent
6890N gas chromatography (GC-MS) system coupled with a 5973-mass selective
detector (Santa Clara, CA). Analysis of estrogenic plasticizers was carried out on an
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Acquity ultra-performance liquid chromatography triple quadrupole tandem massspectrometry with electro-spray ionization (UPLC-TQD MS/MS, ESI) equipped with a
100 x 2.1 mm Waters BEH C18 column (1.7 µm particle size) (Waters©, Milford, MA).
Chemicals and Materials
Artificial saltwater was prepared using Instant Ocean®, and salinity (S) was
measured using a hand refractometer which features automatic temperature correction
and reports salinity in practical salinity units (Salt Refractometer 300011, Sper Scientific,
Scottsdale, AZ). 10-L (18” x 10” x 10”) fish tanks were used for plastic exposure. 0.20
µm Nylon membrane filter paper for vacuum filtration was purchased from Whatman
(Maidstone, U.K.). 1 g sorbent C18 solid phase extraction (SPE) columns (SepPak®Plus)
were purchased from Waters Corporation (Milford, MA, USA). Deionized water with
electrical resistivity of 18MΩ/cm was prepared using a Barnstead E-pure system.
Analytical-grade 17-beta-estradiol and PCB-126 were purchased from SigmaAldrich (St. Louis, MO, USA). 3-( 4,5-dimethythiazol-2-yl)-2,5-diphenyl tetrazolium
bromide (MTT) and tricaine methane sulfonate (MS-222) were purchased from SigmaAldrich.
RNase-Free DNAse for qPCR work was purchased from Promega. High Capacity
cDNA reverse transcription kit was purchased from Life Technologies. RNA extraction
was performed using a RNeasy Mini Kit (Qiagen©, Venlo, Netherlands). Power SYBR®
Green qPCR Master Mix was purchased from Life Technologies. A >99% purity varied
concentration mixture (EPA 610) of sixteen USEPA priority PAHs was purchased from
Sigma Aldrich.
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The analytical standard PAH mixture consisted of acenaphthene, acenaphthylene,
anthracene, benz[a]anthracene, benzo[b]fluoranthene, benzo[k]fluoranthene,
benzo[ghi]perylene, benzo[a]pyrene, chrysene, dibenz[a,h]anthracene, fluoranthene,
fluorene, indeno[1,2,3-cd-]pyrene, naphthalene, phenanthrene, and pyrene at varying
concentrations.
A >99% purity mixture of 13 co-planar PCBs in nonane was used as a calibration
standard (EPA Method 1668 standard solutions mixture, Wellington Laboratories,
Guelph, ON, Canada). The PCB mixture consisted of PCBs 77, 105, 114, 118, 123, 126,
156, 157, 167, 169, 170, 180 and 189. Analytical grade (>99% purity) plasticizers were
purchased from Sigma-Aldrich and included: di-n-octyl phthalate (DOP), tris(1,3dichloro-2-propyl) phosphate (TDCIPP), triphenyl phosphate (TpHP), benzyl butyl
phthalate (BBP), dibutyl phthalate (DBP), bisphenol-S (BPS), diethyl phthalate (DEP),
di-(2-methoxyethyl)-phthalate (DMP), Bis(2-ethylhexyl) phthalate (DEHP), bisphenol A
(BPA), 4-n-nonylphenol (NP) and 4-tert-octylphenol (OP).
Cell culture materials
Immortalized CYP1A1-bla-LS180 cells were purchased from InvitrogenTM
(Carlsbad, CA, USA). All CYP1A1-bla-LS180 cell culture reagents were purchased from
InvitrogenTM. CYP1A1-bla-LS180 growth medium consisted of minimum essential
medium with 10% dialyzed tissue culture grade fetal bovine serum, 1 mM sodium
pyruvate and 0.1 mM non-essential amino acids. CYP1A1-bla-LS180 assay medium
consisted of OptiMEMTM I Reduced Serum Medium with 1% charcoal-stripped fetal
bovine serum, 1 mM sodium pyruvate and 0.1 mM non-essential amino acids. Assay
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reagent, which consisted of LiveBLAzer™ FRET B/G substrate solution, was purchased
from Life Technologies (Carlsbad, CA, USA).
VM7Luc4E2 (ER) cells were donated from Dr. Michael Denison (University of
California-Davis). ER growth medium consisted of RPMI-1640 (Mediatech Inc.,
Herndon, VA, USA) with 10% dialyzed fetal bovine serum (InvitrogenTM,Carlsbad, CA,
USA). Assay media consisted of Dulbecco’s Minimum Essential Medium (DMEM)
supplemented with 5% charcoal stripped fetal bovine serum, both of which were
purchased from (Fisher Scientific, Hampton, NH, USA).ER cell lysis buffer and
luciferase assay reagent were purchased from Promega (Madison, WI, USA).
Leachate sample preparation
In order to simulate a “worst-case scenario” for high concentrations of plastic
leachate in the environment, abundances of macro-plastic (>4.75 mm) in riverine systems
were considered (Lebreton et al., 2017; Moore et al., 2011; van der Wal, 2015).
Laboratory exposure conditions were based on a high-end abundance found in river
systems; (819 items/m3 in the Los Angeles River, CA; which equates to 8 items in 10
liters of water) (Moore et al., 2011). Since North Pacific gyre-recovered plastics are
thought to have spent months to years in the ocean (Van Sebille et al., 2015) and have
been exposed to potential contaminants (Rochman et al., 2013b), they were used as an
appropriate model for a “worst-case scenario” of contaminated estuarine plastic.
Selections of plastic were based on some of the most commonly-found (by
number) identifiable macroplastic items in the global marine environment (Kershaw et
al., 2011). Eight identifiable items collected from the North Pacific Gyre (donated from
Algalita Marine Research Foundation) were selected, including one of each of the
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following: braided twine, bottle cap, polystyrene foam, straw, balloon, upholstery
insulating foam, plastic cup fragment and a comb fragment (Table 2.S1, Figure 2.S1).
The exact specifications of each plastic item used, including mass, color, description of
item, polymer type as determined by Fourier-transform infrared spectroscopy (FTIR) and
Spearman correlation coefficients of FTIR spectra between ocean and virgin plastic items
may be found in the supplemental information. Polymer types of plastic items were
identified as polypropylene, polycarbonate, polyurethane, latex, high-density
polyethylene and polystyrene. “Virgin” consumer plastic items (purchased from a local
market, plastic country of origin unknown) were matched to the North Pacific Gyrerecovered plastic items in mass and type and were kept in fish tanks for 30d before solidphase extraction. Salinity was kept at 32, as this is a typical salinity of estuaries in
Southern California (Seale and Zacherl, 2009) 30 days was chosen based on the typical
time between storm events in the Southern California Bight, as contaminant flows into
the ocean from rivers are highly correlated with storms (Ackerman and Weisberg, 2003;
Nezlin et al., 2007). Six identical replicates of plastic/water tanks were used. The
concentration of macro-plastic in each tank was 0.103±0.001 g/L (mean±standard error
of the mean), which is similar to the highest concentration of macroplastic detected in the
San Gabriel river in California, USA (0.081 g/L) (Moore et al., 2011) .
In order to simulate the UV-irradiation process in an estuarine environment, three
tanks were kept in direct sunlight in a greenhouse (between 17-25°C) while three other
tanks (containing identical types and quantities of plastic) were kept indoors and away
from UV radiation at similar temperatures. Estimated average daily sum of UV-A and
UV-B irradiance from May 27-June 25, 2015 for this site was 1,616±183 (mean ±
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standard deviation [SD]) [range: 700-1,710] kJ/m2 -day and 40.16±4.6 [range: 19.2-44.0]
kJ/m2 -day; respectively. Estimates were based on the nearest active ground-based UV
monitoring station (Holtville, CA, lat:32.806, long:115.446), obtained from the United
States Department of Agriculture UV-B Monitoring and Research Program
(http://uvb.nrel.colostate.edu/UVB). Total estimated UV-A and UV-B irradiance for the
30-day time-period was 48,490 kJ/m2 and 1,204 kJ/m2, respectively. Shielding of UV
radiation from coating on greenhouse glass was not taken into consideration, therefore
the afore-mentioned estimates of UV radiation should be taken as a maximum value. All
plastic was kept in water with a salinity measured at 32 in order to simulate typical
conditions in a Southern California estuary (Seale and Zacherl, 2009). Artificial saltwater
was prepared using Instant Ocean®, which contains minimal organic carbon (<0.20-0.3
mg/L), likely influencing the desorption potential of compounds from plastic and
therefore may not be directly comparable to estuarine environments that contain higher
dissolved organic carbon content (Arnold et al., 2007). An additional three containers
with saltwater but without plastic were placed next to the UV-irradiating plastic
containers, and three identical containers without plastic were kept with the nonirradiated group as negative controls.
Solid phase extraction
Extraction methods were based on USEPA methods for initial Toxicity
Identification Evaluations (TIE) (USEPA, 1991). One L of water was collected from each
tank in a brown glass bottle and filtered with a vacuum apparatus. Each SPE column was
pre-conditioned with 15 mL methanol and 15 mL deionized water. One L of plasticleached saltwater was loaded, dried, then serial eluted (fractionated) with 10 mL of
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methanol/H2O solution. To differentiate biological activities of compounds by their
polarity, fractionation with an methanol: water gradient was performed. Elution’s were
performed on each sample using the following percentages of methanol in order: 10%,
30%, 50%, 70% and 90%. An additional 1-L sample was extracted with 100% methanol
(whole extract). The extraction process was repeated three times for each sample to create
laboratory replicates. Following elution, each sample was further concentrated to 1 mL
using nitrogen evaporation.
In vitro assays
AhR activity in plastic leachate was assessed in vitro by using the established
AhR assay (GeneBLAzer CYP1A1-bla LS-180). Estrogen receptor activity was assessed
using the LUMI-CELL™ (VM7Luc4E2) assay. The growth and maintenance of the AhR
and ER cell cultures were based on instructions provided by the manufacturer
(Invitrogen, 2010) and Rogers and Denison (2000), respectively, and are summarized in
the supplemental information.
MTT cytotoxicity assays
Prior to analyzing receptor-binding activities in cell lines, cytotoxicity of tested
leachates were determined using the MTT assay (van de Loosdrecht et al., 1994), as
detailed the supplemental information. Concentrations eliciting 80% survival or greater
were deemed appropriate for receptor activity measurements (Figure 2.S4, Figure 2.S5).
AhR assay
Cultured GeneBLAzer© CYP1A1-bla-LS180 cells were suspended assay media at
a density of 2.0x104 cells/90µL and added to each well of a 96-well plate then incubated
for 24 hours at 37 °C in 5% CO2 before being dosed with plastic leachate solutions in
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OptiMEM (10% or less methanol concentration) and incubated overnight. 40 µL of the
reagent substrate solution was added to each well. The plate was incubated for 90 min at
room temperature in the dark before being read on a fluorescence plate reader with
excitation at 405 nm and detection at 460/530 nm. PCB-126 was used as positive control.
PCB-126 has been determined to have a toxic equivalency factor (TEF) of 0.1 relative to
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), meaning it is 10 times less potent (Ahlborg
et al., 1994; Berg et al., 2008). All toxic equivalency (TEQ) values are relative to TCDD
and are based on TEF values described in (Berg et al., 2008) for PCBs and (Eljarrat and
Barceló, 2004) for PAHs (Table 2.S7).
The median effective concentration (EC50) of the positive control PCB-126 was
196.9 pM (19.69 pM TCDD TEQ). The LOD was calculated based on the relative
fluorescence unit elicited by the solvent control plus three times the standard deviation,
based on the method described by Escher et al. (2014). The LOD was 200 pg/L TEQ. The
LOQ was 460 pg/L and defined as the relative light unit elicited by the solvent control
plus ten times the standard deviation. These values are within the range stated in the
protocol provided by the cell distributor (Invitrogen, 2010).
Calculation of the LOQ for the whole method was the quantitation limit
multiplied by the maximal concentration factor that did not demonstrate cytotoxic effects
(Kinnberg, 2003). Due to measured cytotoxicity in the AhR cell-line (Figure 2.S4), a
maximal concentration factor of 75 was used for quantification the LOQ for the whole
method was 6.1 pg/L.
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ER assay
Vm7Luc4E2 cells were cultured in growth medium. In order to reduce the baseline activity of the luciferase response, the cells were grown in assay media in order to
strip estrogen-like compounds for three days prior to transferring them into 96-well assay
plates. Cells were then plated at a concentration of 2x104 cells/90µL in 96-well plates and
incubated at 37°C for 24 hours. Then, 10 µL of leachate compounds in DMEM (≤10%
methanol) were added in triplicate at several concentrations, ranging from 0.1x to 37.5x
(relative to ambient concentration prior to SPE) and incubated for 24 hr. Cells were lysed
and the luciferase activity was measured in a luminometer with an automatic injection of
50 µL of luciferase assay reagent to each well. The relative light units (300-650 nm)
measured were compared to that induced by the 17-beta-estradiol (E2) standard curve
following background activity subtraction.
Estradiol equivalency (EEQ; ER cell line) and dioxin-like activity (TEQ; AhR
cell line) calculations were made by interpolation based on a four-factor non-linear
regression using Prism 6 (GraphPad©, San Diego, CA, USA) with an E2 standard curve
(ER) with concentrations ranging from 1.6x10-2 to 5.2x102 ng/L, as outlined by OECD
guidelines (OECD, 2015) and a PCB-126 standard curve (AhR) with concentrations
ranging from 5.0x10-1 to 1.1x103 µg/L (Invitrogen, 2010). For each SPE extract fraction,
a dilution series ranging from 0.1-37.5x was analyzed. For each assay, the magnitude of
induction (of light for ER or fluorescence for AhR) relative to the highest induction
elicited by the positive control standard curve (TCDD for AhR and E2 for ER) was
calculated and used to calculate TEQ and EEQ (Invitrogen, 2010; OECD, 2015). The
linear portion of each dose response (%TCDD-max or %E2-max, plotted as a function of
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log dose) was used for calculations. Using a minimum of three points for all cases, linear
regression analysis was performed with concentration factor on the x-axis and %TCDDmax or %E2-max on the y-axis to determine the %value in the 1x or ambient leachate
concentration (Villeneuve et al., 2001). The %-max value was then converted to TEQ or
EEQ using the linear regression based on the average of all %TCDD-max or %E2-max
standard curves (Villeneuve et al., 2001).
The EC50 of the positive control 17-beta-estradiol was 6.3 ng/L (22.98 pM). The
LOD was 0.64 ng/L and the LOQ was 1.28 ng/L. These detection limit and EC50 values
fall within the acceptable range as determined by OECD guidelines (OECD, 2015). All
calibration curves had R2>0.90. Due to measured cytotoxicity in the ER cell-line, a
maximal concentration factor of 37.5 was used for quantification, thus the limit of
quantification for the whole method was 34 pg/L.
In vivo bioassays using Japanese medaka (Oryzias latipes)
Fish husbandry and exposure
Japanese medaka was chosen to screen extracts due to its sensitivity and wide
acceptance as a fish model (Islinger et al., 2002; Metcalfe et al., 2001; Scholz and
Gutzeit, 2000). Japanese Medaka were cultured at the University of California, Riverside
(AUP # 20140002) and housed in medium-hard water at 27 °C with a photoperiod of
14:10 hour light: dark schedule. Breeder adults were fed twice daily a diet of live brine
shrimp (Artemia nauplii). Embryos were collected 0−4 hr following fertilization.
Since fish are most sensitive to toxicants during early developmental stages, the
larval stage of Japanese medaka was chosen for an exposure stage (Hamlin and Guillette,
2011). Fish (3 d post hatch, average 11 mm body length and 22 mg wet body weight)
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were exposed for 5 d in 20 mL glass vials (1 fish per vial) to 0.1% of SPE of plastic
leachates (whole extract, 1x concentration), as well as positive controls including 17beta-estradiol (500 ng/L), PCB-126 (200 nM) and were compared to fish exposed to
solvent control 0.1% methanol. To replicate estuarine conditions, medaka were kept at a
salinity of 32. Japanese medaka were acclimated to salinity over 1 wk as previously
described (El-Alfy and Schlenk, 1998). Chemical concentrations were refreshed daily
from measured stock solutions. On the last day of exposure, the fish were anesthetized
with 1 g/L MS-222 and their whole bodies were flash-frozen in liquid nitrogen and stored
at -80°C until mRNA analysis.
Quantitative reverse transcriptase polymerase chain reaction (q-RT-PCR)
RNA was extracted from whole body homogenates of larval Japanese medaka
using a RNeasy Mini Kit. Following optimization of the protocol, it was determined that
six larval fish should be pooled together for reliable analysis, thus all samples contained
six fish. Samples were cleaned to remove any solvent contamination by precipitating
RNA with a 2 M NaCl aqueous solution and washing the precipitate in ethanol. RNA was
then dissolved in RNase-free water and stored at -80 °C. RNA concentrations were
measured using a Nanodrop spectrophotometer. RNA was DNAse treated prior to cDNA
creation. For each tissue sample, cDNA was synthesized from 200 ng/mL of RNA using
the High Capacity cDNA reverse transcription kit following the instruction of the
manufacturer. Primers were designed and ordered using the PrimerQuest software from
Integrated DNA Technologies (Coralville, IA) (Table 2.S11). Gene expression was
quantified using Power SYBR® Green qPCR Master Mix per manufacturer’s instruction.
RT-qPCR was performed on the CFX Connect with the following protocol: 1 cycle at (i)
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95° C for 10 min; 39 cycles at (ii) 95 °C for 1 min; (iii) 57.5 °C for 30s. Following the
amplification reaction, a melting curve analysis was carried out between 60 and 95 °C
and fluorescence data were collected at 0.5 °C intervals. Fold change was determined
using 2DDCt and normalized to the transcript levels for 18s-rRNA, which did not vary
statistically across treatments.
With regard to in vivo responses, larval (3dph) Japanese medaka treated with 500
ng/L 17b-Estradiol (positive control) did not significant upregulate cyp1a1 mRNA (5.7fold-change p=0.18; Table 2.S12) and vtg mRNA (55.7-fold change, p=0.001; Table
2.S12) relative to 0.1% methanol control. Medaka exposed to positive control 200 ng/L
PCB-126 exhibited a highly significant increase in cyp1a mRNA (88.2-fold change
p=0.005; Table 2.S12) and a nearly statistically significant upregulation of vtg mRNA
(21.4-fold change p=0.06; Table 2.S12) relative to the solvent control. Further
information regarding in vivo bioassay data may be found in the supplemental
information.
Analytical Characterization of targeted compounds
PAH Analysis using GC-MS/MS
Several polycyclic aromatic hydrocarbons (PAHs) induce dioxin-like (AhR)
responses (Villeneuve et al., 2002) and adsorb to plastic in the marine environment
(Gauquie et al., 2015; Van et al., 2012). Sixteen USEPA priority PAHs were analyzed.
External calibration was used to determine PAH concentration.
Analysis of PAHs was determined with a GC-MS. Operating conditions were
based on (Anastassiades et al., 2003). More information on GC-MS analysis may be
found in the supplemental information.
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Co-planar PCB analysis using GC-MS-MS
Co-planar PCB congeners have the ability to interact with the AhR in varying
potencies (Villeneuve et al., 2001). Thirteen co-planar PCBs were targeted for analysis.
PCB 88 was used as an internal standard in each solution. Due to the inability to separate
the toxic co-planar PCB congener 77 and the less toxic (and more environmentally
abundant) co-eluting congener 110, PCB 77 was left out of the toxic equivalency factor
calculations. Further details regarding PCB analysis may be found in supplemental
information.
Characterization of estrogenic plasticizers using UPLC-MS-MS
Eleven of the most estrogenic and common plasticizer were targeted (ICCVAM,
2011; Petrovic et al., 2004). These included DOP, TDCIPP, TpHP, BBP, DBP, BPS,
DEP, DMP, DEHP, BPA, NP and OP. Analysis of estrogenic plasticizers was carried out
on an UPLC-TQD MS/MS, ESI. UPLC TQD-MS/MS parameters may be found in
supplemental information.
Chemical-based Toxic Equivalency and Estradiol Equivalency
TEQ and EEQ calculations for plastic leachate extracts were made by the sum of
the product of each chemical’s concentration (g/mol) by its known toxic equivalency
factor (TEF) (relative to TCDD, g/mol) or by its estradiol equivalency factor (EEF)
(relative to 17-beta-estradiol, g/mol), based on the methods described in (Berg et al.,
2008; Körner et al., 1999). TEF and EEF values used are summarized in Tables 2.S7 and
2.S8, respectively.
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Statistical Analysis
For the analysis of qPCR data, all mRNA transcript data were tested for normality
using a Shapiro-Wilks test, and homogeneity of variance using Bartlett’s test. In the case
of the vtg data, in which the qPCR data met parametric assumptions, a one-way ANOVA
was used followed by the Dunnett’s test to compare differences between treatments and
control. In the case of the cyp1a1 data, in which the data did not conform to parametric
assumptions, a nonparametric Kruskal-Wallis test was used to compare medians across
groups, followed by a Dunn’s post-hoc test (Dunn, 1964). Differences were considered
significant at the a=0.05 level. All statistical analyses were conducted using The R
programming language for Statistical Computing (http://www.r-project.org).
For analytical data, sample values were interpolated from linear regressions
calculated using the software Prism 6 (GraphPad©, San Diego, CA, USA). Limit of
detection (LOD) was calculated based on three times the standard deviation of x
(concentration) divided by the slope of the curve (J.C. Miller, 1988). Limit of
quantitation (LOQ) was calculated based on ten times the standard deviation of x
(concentration) divided by the slope of the curve (J.C. Miller, 1988). Values below the
limit of quantitation were substituted with the one-half the limit of quantitation (Hornung
and Reed, 1990). As less than 60% of the total number of chemical concentrations were
below the LOQ (50.9% of chemicals were above LOQ), the use of value substitution with
one-half LOQ is not expected to introduce significant bias to the results (Helsel, 2006;
Hornung and Reed, 1990). Statistical comparisons of compound concentrations were
analyzed using Prism 6. First, data was tested for homogeneity of variance and normality,
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then one or two-way ANOVA with Tukey’s post-hoc test were run. Differences were
considered significant at the a=0.05 level.
Whole extract TEQ and EEQ statistical differences were based on the extra sum
of squares F-test of the y-intercept of the linear regression model of log (dilution factor)
vs. %TCDD-max or %E2-max.
Results
Virgin Plastics
In vitro and in vivo analysis
In vitro and analytically-determined EEQ and TEQ values for whole extracts
(100% methanol) of plastic leachates are summarized in Table 2.1. With regard to
methanol fractionation from SPE, no significant differences of in vitro AhR and ER
activity were observed between % methanol fractions (Table 2.S9, Table 2.S10).
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Table 2.1 Comparisons of in vitro and chemical estimates of estradiol equivalence (EEQ) and toxic equivalence
(TEQ) of whole extracts of plastic leachates.
Sample
Virgin Plastic
Irradiated Virgin Plastic
North Pacific Gyre-Recovered Plastic
Saltwater (negative control)
Irradiated Saltwater (negative control)

EEQ (ng/L)
in vitro
4.34 ±2.65
8.79 ±2.06
13.78 ±3.64
<0.03
<0.03

Analytical
0.33 ±0.07
1.64 ±0.62
11.4 ±2.13
<0.01
<0.01

TEQ (ng/L)
in vitro
0.38 ±0.07
0.71 ±0.47
1.06 ±0.54
<0.006
<0.006

Analytical
0.03±0.05
0.42 ±0.38
1.47 ±0.87
<0.01
<0.01
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The whole extract of virgin plastic leachates did not cause a significant increase in
the expression of cyp1a1 mRNA in larval Japanese medaka (0.44-fold change relative to
control, p>0.99) (Figure 2.1). The whole extract of virgin plastic leachate did not cause a
significant increase in the expression of vtg mRNA in larval Japanese medaka (1.95-fold
change relative to control, p=0.92) (Figure 2.2).
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Chemical analysis
No significant differences in the elution of co-planar PCBs were observed
between methanol fractions of SPE (p=0.71). Similarly, significant differences in PAH
concentrations were also not observed between methanol fractions (p=0.14). Analytical
chemistry-based TEQ values did not correlate with the in vitro TEQ values for virgin
plastic leachates (r=0.019, p=0.97; Pearson correlation, Figure 2.S6). While considered to
be relatively low, the in vitro TEQ and analytical chemically-determined TEQ values for
virgin plastic leachates were above the LOQs in the 100%, 90%, 70%, 30% and 10%
methanol fractions (Table 2.S6 and S9).
The in vitro EEQ for virgin plastic leachates correlated well with the analyticalchemistry determined EEQ values for each SPE methanol fraction (r=0.87, p=0.024;
Pearson correlation, Figure 2.S6). No significant differences in abundance between
methanol elution fractions were found between phenols (BPA, NP, OP) or phthalates
(DEHP, DEP, DMP, BBP, DBP).
The analytical chemistry-derived TEQ value of the 100% methanol extract
(0.03±0.05 ng/L, mean ±SD) was made up of 55 ±26% PAHs and 45 ±32% co-planar
PCBs. Benzo[a]pyrene and fluoranthene were the most abundant PAHs (379±622 and
325±556 ng/L; mean±SD, respectively) (Figure 2.3). The majority of PAHs measured in
virgin plastic including acenaphthene, acenaphthylene, anthracene, fluoranthene,
fluorene, phenanthrene, and pyrene. No significant differences between abundance of 3,4- and 5-ring PAHs were observed in virgin plastic leachates (p=0.68) (Figure 2.S3).
PCB 77/110 and PCB 114 were the most abundant PCB congeners (130±241 and 74±127
ng/L; mean±SD respectively) (Table 2.S6).
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Analytical-chemistry analysis of the extracts reveal that phthalates constituted
approximately 56±5% of the ER-derived estrogenicity observed in the 100% methanol
extract (Figure 2.4). Dibutyl phthalate was the most abundant plasticizer measured (1.7
±11.9 µg/L) followed by DEHP (1.9±4.6µg/L) and DOP (0.561±0.464µg/L) (Table
2.S6).
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Irradiated virgin plastic
In vitro and in vivo analysis
Significant differences in in vitro AhR and ER activity were not observed
between %methanol fractions of SPE. The in vitro TEQ of the 100% methanol extract of
the irradiated virgin plastic leachate was not significantly higher than virgin plastic
leachates (p=0.48). With regard to in vivo AhR activity, the 100% methanol extract did
not induce a significant increase in the expression of cyp1a1 mRNA in larval Japanese
medaka (8.4-fold change relative to control, p=0.17) (Figure 2.1).
The in vitro EEQ of the 100% methanol extract of irradiated virgin plastic
leachate was significantly higher than virgin plastic leachate (p<0.0001). For the in vivo
response, the 100% methanol extract of the irradiated virgin plastic leachate induced a
significant increase in the expression of vtg mRNA in larval Japanese medaka (10.1-fold
change relative to control, p=0.03) (Figure 2.2).
Chemical analysis
Analytical-chemistry based TEQ values correlated with the in vitro TEQ values
(r=0.93, p=0.008; Pearson correlation, Figure 2.S6). No significant differences in the
elution of co-planar PCBs were observed between methanol fractions (p=0.15). PAH
concentrations were significantly higher in the 90% methanol SPE fraction than the 70%
fraction (p=0.003), 50% fraction (p=0.004), 30% fraction (p=0.0009) and 10% fraction
(p=0.0005).
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Analytical-chemistry based EEQ values correlated with the in vitro EEQ values
(r=0.75, p=0.09 Pearson correlation, Figure 2.S6). No significant differences in
abundance between methanol elution fractions were found between phenols (BPA, NP,
OP) or phthalates (DEHP, DEP, DMP, BBP, DBP) (Figure 2.4).
Analytically-determined concentrations of co-planar PCBs accounted for 66%
(±21%) of the calculated TEQ for the 100% methanol extract (Figure 2.3). PCB 77/110
and PCB 180 were the most abundant congeners (1,717±2,911 and 62±107 ng/L,
respectively). PCB 77/110 concentrations were significantly higher in irradiated virgin
plastic leachate than in North Pacific Gyre-recovered plastic leachate (p=0.013) and
virgin plastic leachate (p=0.0004). Total PCB content was significantly higher in
irradiated virgin plastic than in virgin plastic leachate (p=0.05).
Benzo[b]fluoranthene/benzo[k]fluoranthene and acenaphthylene were the most abundant
PAHs (168±227 and 66±111 ng/L, respectively). No significant differences between
abundance of 3-,4- and 5-ring PAHs were observed (p=0.37) (Figure 2.S3).
Analytical chemistry analysis of the extracts revealed that phenols (BPA, BPS,
OP, NP) constituted approximately 96% (±1%) of the estrogenicity of the whole extract
(Figure 2.4). 4-tert-octylphenol was the most abundant plasticizer measured (1.2 ±2.4
µg/L) followed by dibutyl phthalate (1.4±0.2 µg/L) and DEHP (4.8±.05 µg/L) (Table
2.S6).
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North Pacific gyre-recovered plastic
In vitro and in vivo analysis
In vitro AhR activity was significantly higher in the 90% methanol fraction than
the 50% (p=0.018) and 30% (p=0.015) fractions (Figure 2.1). Significant differences of
in vitro estrogenicity were not observed between %methanol SPE fractions (Table
2.S10). AhR activity in the 100% methanol extract was significantly higher in North
Pacific Gyre-recovered plastic leachate than virgin plastic leachate (p=0.018), but not
significantly higher than irradiated virgin plastic leachate (p=0.54) (Figure 2.1). The
North Pacific Gyre-recovered plastic leachate significantly induced cyp1a1 mRNA in
Japanese medaka (17.8-fold change, p= 0.019) (Figure 2.1). For in vivo comparisons,
induction of cyp1a in Japanese medaka exposed to North Pacific Gyre-recovered plastic
leachate was not significantly higher than irradiated virgin plastic leachate-exposed
(p>0.99) or virgin plastic leachate-exposed Japanese medaka (p=0.17) (Figure 2.1).
The in vitro EEQ of the 100% methanol extract of North Pacific Gyre-recovered
plastic plastic-leachate was significantly higher than irradiated virgin plastic leachate
(p=0.0005) and virgin plastic leachate (p<0.0001) (Figure 2.2). The North Pacific Gyrerecovered plastic leachate significantly induced vtg mRNA in Japanese medaka (9.9-fold
change, p=0.04) (Figure 2.2). North Pacific Gyre-recovered plastic leachate-exposed
medaka had a higher fold change of vtg than virgin-plastic leachate exposed medaka
(p=0.008) but was not significantly different than irradiated virgin-plastic leachate
exposed medaka (Figure 2.2).
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Chemical analysis
Analytical chemistry-based TEQ values correlated with the in vitro TEQ values
(r=0.93, p=0.009; Pearson correlation, Figure 2.S6). Co-planar PCB concentrations were
highest in the 90% methanol fraction relative to all other fractions (p<0.0001) (Figure
2.3). Within the 90% methanol fraction, PCB concentrations were significantly higher in
North Pacific Gyre-recovered plastic leachates compared to virgin plastic leachates
(p<0.0001) and irradiated virgin plastic leachates (p=0.009) (Figure 2.3). PAH
concentrations were significantly higher in the 90% methanol fraction than the 70%
fraction (p=0.059), 50% fraction (p=0.009), 30% fraction (p=0.0084) and 10% fraction
(p=0.0084) (Figure 2.3).
Analytical-chemistry calculated EEQ values correlated with in vitro-derived
EEQs (r=0.89, p=0.018 Pearson correlation, Figure 2.S6). Phthalate concentrations were
highest in the 70% methanol SPE fraction (p<0.0001) (Figure 2.4). Phenol concentrations
were highest in the 70% methanol fraction, but statistically significant differences were
only observed between the 70% fraction, the 90% and 50% methanol fractions (p=0.02
and p=0.005, respectively), with no significant differences were observed between the
70% and 30% or 10% fractions (Figure 2.4).
Analytical-chemistry determined concentrations of co-planar PCBs accounted for
73% (±23%) of the calculated TEQ of the 100% methanol extract (Figure 2.3). PCB
77/110 and PCB 118 were the most abundant congeners (1,296±2,034 and 562±960 ng/L,
respectively) (Table 2.S6). PCB-126 was only detected in the North Pacific Gyrerecovered plastic leachates. PCB-180 and, -167 and -105 were all detected in virgin and
irradiated virgin plastic leachates at low quantities (<70 ng/L) and were not found in
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North Pacific Gyre-recovered plastic leachates (Table 2.S6). Benzo[a]pyrene and
benzo[b]fluoranthene/benzo[k]fluoranthene were the most abundant PAHs (465±738 and
247±464 ng/L, respectively) (Table 2.S6). Significantly higher concentrations of 5-ring
PAHs than 2-ring PAHs and 6-ring PAHs was observed (p=0.043 and p=0.045,
respectively) in North Pacific Gyre-recovered plastic leachates (Figure 2.S3). Of the
PAHs measured, benzo[a]pyrene was the only PAH observed in North Pacific Gyrerecovered plastic leachates that was significantly higher than irradiated virgin plastic
leachates (p=0.04) (Table 2.S6).
Chemical analysis of the extracts reveal that phenols constituted approximately
98.5±0.6% of the ER-derived estrogenicity of the whole extract (Figure 2.4). 4-tertoctylphenol was the most abundant plasticizer measured (6.9±5.8 µg/L) followed by
dibutyl phthalate (5.8 ±9.8 µg/L) and DEHP (1.7±5.7 µg/L) (Table 2.S6). A trend
towards higher OP concentration was observed in North Pacific Gyre-recovered plastic
leachates relative to virgin plastic leachates (p=0.059), while but no trend was observed
relative to irradiated virgin plastic leachates (p=0.13) (Table 2.S6).
Discussion
In marine and estuarine environments, plastics are subjected to weathering
processes due to saltwater and UV-radiation. In addition, they may also come in contact
with hydrophobic organic contaminants (Teuten et al., 2007). The extent to which these
processes influence the leaching of estrogen (ER) and aryl hydrocarbon receptor (AhR)
agonists into the water was explored. Leachates of virgin plastic, irradiated virgin plastic
and North Pacific gyre-recovered plastic were extracted and fractionated using solid-
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phase extraction. Quantitative assessment of estrogen and aryl hydrocarbon receptor
activities was performed using two respective recombinant reporter bioassays. While in
vitro receptor-binding assays provide insight into the biological activity of the plastic
leachate solid-phase extracts, additional factors that impact the biological activity of these
compounds in vivo cannot be simulated using an in vitro model, including the
compound’s ability to be taken up or metabolized by fish and the interactive effects of
complex mixtures. Thus, cyp1a mRNA induction in Japanese medaka was used as a
biomarker for in vivo AhR activation and vtg mRNA induction served as an indicator of
ER activity. Known estrogenic plasticizers and common environmental AhR agonists
were targeted for quantitative analysis to determine relative contributions for the
biological activity.
Virgin plastic leachates
Virgin plastic leachates, which represent the earliest exposure timeline of plastic
in the environment, had lower in vitro and in vivo TEQ values than their irradiated
counterparts. Moreover, induction of AhR activity and estrogenicity was not observed in
larval Japanese medaka exposed to virgin plastic leachates. The in vitro effects as well as
the measurement of compounds with known Toxic Equivalent Factors (TEFs) in virgin
plastic leachates were not surprising, as other studies have measured PAHs in virgin
plastic with concentrations of up to 1,700 ng/g in polystyrene foam (Van et al., 2012). In
the virgin plastic leachates, low molecular weight PAHs (3- and 4-ring) were trending to
be more abundant relative to 5- and 6-ring (Figure 2.S3), however no significant
differences were observed (a=0.05; Tukey’s post-hoc), suggesting that they might be
petrogenic and were likely sorbed to these plastics during the manufacturing process
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(Rochman et al., 2013d). However, the ultimate source is unclear and deserves further
evaluation.
Several PCB congeners were detected in virgin and irradiated virgin plastic
leachate, including PCBs 77/110, 105, 114, 167, 169 and 180 between 0.06 to 5.0 ng/L.
Despite their production ban in the United States under the Toxic Substances Control Act
in 1979, PCBs are still found in a number of consumer products today including many
plastic items (Anezaki and Nakano, 2014; Hu and Hornbuckle, 2010). The continued
production of PCBs in the United States is allowed due to a selected exemption law
enacted by the USEPA in 1982 (USEPA, 1982). In plastic consumer goods sampled in
2008, concentrations of PCB 11 were found up to 38 ng/g (Rodenburg et al., 2010), PCBs
77, 110 and 114 were detected in more than 40% of tested commercial pigments (Hu and
Hornbuckle, 2010) and PCB 206 was found in 21 out of 52 tested consumer products,
including plastic items (State of Washington Department of Ecology, 2014). Despite the
minimally-allowed continued production of PCBs in the United States, it may be more
likely that the PCBs found on the virgin and irradiated virgin plastic leachates originated
from plastics manufactured in China. China is the biggest producer and exporter of
plastics world-wide (PlasticsEurope, 2016) and although China officially ceased
production of PCBs in the 1970’s, production of unintentionally-produced PCBs
increased quickly in the 1980’s, and by the beginning of the 2000’s, exceeded the total
emissions of intentionally-produced PCBs prior to the global ban (Cui et al., 2013).
Currently, it is not known whether plastic consumer products from China contain PCBs,
however PCBs are found as impurities in dyes and pigments produced in China and range
in concentrations ranging from 6x10-5 to 4.2 ng TEQ/g (Liu et al., 2018; Zhang et al.,
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2015). Whether impacts of PCBs from virgin plastic have potential human health or
ecological relevance is unclear but deserves additional study. In particular, further
research should focus on the sources of PCBs in virgin plastic and determine their
country of origin.
Using the measurements of AhR activating PCBs and PAHs, Toxicity Equivalent
(TEQ) values were calculated based on the relative binding affinities of the analytes.
Overall, TEQ values did not correlate well with the in vitro bioassay based TEQ values
for virgin plastic leachates. The in vitro TEQ values were higher than the chemicallyderived TEQs for every methanol fraction except for the 90% methanol fraction. The
majority of the chemistry-based TEQ consisted of PAHs, which have been shown to have
a high degree of variability in their in-vitro based TEF values between studies, with 1 to 2
orders of magnitude in variance observed between studies (Clemons et al., 1998; Klimm
et al., 1999). Additional causes for the discrepancy between chemistry and bioassays may
be the variance caused by limited sample number, greater than additive response in the
cell-based analyses or possibly interferences with non-dioxin-like PCBs that have been
shown to exhibit antagonistic interactions with dioxin-like PCBs (Davis and Safe, 1989).
Specifically, PCB 153 is capable of such antagonistic interactions, and since it was not
measured in the plastic leachates, cannot be ruled out as a potential factor (Safe, 1997).
Correlations between in vitro and chemistry-based TEQ/EEQ values have not always
been observed (Galluba and Oehlmann, 2012; Lyytikäinen et al., 2001).
In contrast to TEQs, chemistry-based EEQ values correlated well with the in vitro
bioassay EEQ values. Saltwater stress is known to desorb estrogenic plasticizers into
water from a wide variety of consumer plastic products (Suhrhoff and Scholz-Böttcher,
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2016; Yang et al., 2011). Thus, the finding of estrogenic activity and desorbed estrogenic
plasticizers in the virgin plastic leachate further supports the need for more research
regarding the eco-toxicological effects of macro-sized plastic contamination in water
particularly in waterways with low flushing capacities.
Irradiated virgin plastic leachates
The virgin plastic that had been irradiated in a greenhouse for 30 d in saltwater
represents an arbitrary timepoint for environmental exposure/degradation. However,
irradiated virgin plastic leachate did not have a significantly higher in vitro TEQ value
than virgin plastic leachate. Plastic is known to degrade more rapidly when subjected to
UV radiation (Andrady, 2003; Lambert et al., 2013). Specifically, UV-B exposure plays a
significant role in the degradation of plastics during the first four weeks in an estuarine
environments (Andrady et al., 1998; Weinstein et al., 2016). Once plastics enter the open
ocean, UV radiation is much less likely to contribute to its degradation due to the rapid
attenuation of UV-B when plastic is submerged (Andrady, 2011). The relative intensity
of UV radiation around the world is variable and depends on the season and geographical
location (Grigalavicius et al., 2016). In general, UV radiation tends to be similar across
global latitudinal lines (Grigalavicius et al., 2016), so the conditions under which the
irradiated virgin plastic leachates were exposed may be similar to the highly plasticpolluted Yangtze Estuary in China (latitude:31.67) (Lebreton et al., 2017; Zhao et al.,
2014), but less UV radiation than the tropical Ganges river in India, which may be the
second-most plastic polluted river in the world (Lebreton et al., 2017).
The non-significant trend of higher cyp1a mRNA in Japanese medaka exposed to
irradiated virgin plastic leachate suggests that radiation may play a significant role in the
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release of bioavailable AhR ligands into and/or transformation of compounds to ligands
in water. In vivo AhR-dependent effects of virgin plastic have been observed in other
studies. For example, a significant increase in cyp1a expression was measured in
European sea bass (Dicentrarchus labrax) fed a diet of virgin polyethylene microbeads
(Mazurais et al., 2015). The trend towards in vivo AhR activity in irradiated virgin plastic
leachates may be due to the release of co-planar PCBs into the leachate. Indeed,
concentrations of PCBs were significantly higher in irradiated virgin plastic leachates
compared with virgin plastic leachates. Identical congeners of PCBs were measured in
irradiated virgin plastic leachates (PCBs 77/110, 105, 114, 167, 169 and 180), suggesting
irradiation likely enhanced desorption. Calculated TEQ values based on analytical
chemistry correlated well with the in vitro bioassay TEQ values, with chemical TEQ
values being lower than biological values, except in the case of North Pacific Gyrerecovered plastic leachates. A similar relationship of higher in vitro to analyte-based TEQ
values was observed when PCB congeners were dominant in human breast milk samples,
with correlation coefficients that were similar to those calculated for irradiated virgin
plastic and North Pacific Gyre-recovered plastic leachates (Laier et al., 2003). The
identity of AhR ligands generated by UV light is unknown but deserves further study
with non-target analyses to determine additional causative compounds.
The significant difference in concentrations of phenols between virgin and
irradiated virgin plastic (Figure 2.4) suggests that UV radiation plays a significant role in
the desorption of BPA and OP. Enhanced migration of plasticizers due to sunlight has
been documented for DEHP (Schmid et al., 2008), DBP and DIBP (Szendi et al., 2018).
While not statistically significant, a trend of increasing BPA concentrations in water from
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polycarbonate containers was observed following exposure to natural sunlight (Amiridou
and Voutsa, 2011). The enhanced desorption of plasticizers due to UV radiation observed
in this study may explain some of the uncharacterized toxic compounds that were
significantly higher in leachates from UV-irradiated plastic in previous studies (Bejgarn
et al., 2015; Li et al., 2016). Overall, the increased release of BPA and OP correlated well
with higher estrogenic activity both in vitro and in vivo.
In vitro EEQ values were also significantly higher in irradiated virgin plastic
leachates compared to their virgin plastic leachate counterparts. The increased in vitro
estrogenicity was also observed in vivo with a significant induction of vtg relative to
control Japanese medaka. Vtg induction has been observed in male Japanese medaka at
E2 concentrations as low as 10 ng/L (Yamaguchi et al., 2005) and OP levels as low as
11.4 µg/L (Seki et al., 2003). The finding of significant vtg induction in larval Japanese
medaka by irradiated virgin plastic leachate reinforces the role that UV radiation plays on
the breakdown and release of estrogenic compounds from plastic into water.
Analytical chemistry-based EEQ values correlated well with the in vitro EEQ
values. The formation of estrogenic photoproducts due to light-exposed polyethylene has
been documented in a previous study (Okamoto et al., 2006), but these compounds were
not measured in our study and may account for some of the in vitro activity. Since EEQ
values for % methanol fractions were not found to be statistically different from one
another for both in vitro and analytical-chemistry based estimates, across all plastic types,
it can be concluded that estrogenic plastic-associated compounds have a large range of
hydrophobicity’s. This conclusion is consistent with previous research which found that
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plastic releases estrogenic compounds in 10% ethanol, 100% water and 100% ethanol
elutions from SPE (He and Denison, 2014).
The levels of plasticizers found in the leachates from virgin and irradiated virgin
plastic are similar to concentrations measured in river surface water in the United States.
Concentrations of BPA detected in whole leachate extracts were between 0.076-2.6 µg/L.
BPA was detected in river surface water in the United States at 12 µg/L and was detected
in 41% of rivers sampled (N=85), although the source was unknown (Kolpin et al.,
2002). Due to the high presence of plastic in waterways (Lebreton et al., 2017), UVenhanced desorption of plasticizers from plastic items should be considered as a
significant source of estrogenic compounds. As with AhR active compounds, further
investigation of estrogenic compounds in leachates through non-targeted analysis may
reveal additional plasticizers of concern.
North Pacific gyre-recovered plastic leachates
The North Pacific Gyre-recovered plastic leachates represent a long-term weather
exposure scenario. Due to the predicted long residence time (months to years) of plastics
in the environment (Van Sebille et al., 2015), North-Pacific Gyre-recovered plastics act
as a “worst-case scenario” for plastic that may exist in low-flow environments such as a
shallow estuary or a tide pool. Due to their hydrophobicity, plastics are likely to adsorb
persistent organic pollutants in the environment including PAHs and PCBs (Rochman et
al., 2013c; Ziccardi et al., 2016). Paradoxically, weathering may also cause the release of
plasticizers more readily (Teuten et al., 2009).
Since North Pacific Gyre-recovered plastic leachates had a significantly higher in
vitro TEQ relative to virgin plastic but was statistically the same as irradiated virgin
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plastic leachate suggests that weathering may play a stronger role in the leaching of
estrogenic compounds than the sorption of environmental contaminants. However, the
significant increase of cyp1a mRNA in Japanese medaka and the significantly higher
analytical chemistry-based TEQ suggests that sorbed contaminants may be transported by
macro-sized plastics and lead to exposure in wildlife through equilibrium-based
desorption into water. Moreover, PCB congeners 126 and 81 were found in the leachate
of North Pacific Gyre-recovered plastic, which were not measured in the virgin or
irradiated virgin plastic leachates, suggesting the desorption of contaminants found in the
environment. Additionally, PCBs 126 and 81 have not been associated with consumer
plastic items (Rodenburg, 2012; State of Washington Department of Ecology, 2014).
PCB 118 was the second-most abundant congener found in the North Pacific Gyrerecovered plastic leachates, which has also been found to be one of the most commonlydetected congeners in marine debris (Rios et al., 2007) as well as in the marine
environment (McFarland and Clarke, 1989).
In vitro EEQ values for leachate of North Pacific Gyre-recovered plastic were
also significantly higher than irradiated virgin plastic leachate, further suggesting that
long-term weathering may increase the ability of estrogenic plasticizers or other adsorbed
compounds to release into water. Chemical-based EEQ values correlated well with the in
vitro EEQ values. OP and BPA accounted for the majority of the analytical chemistrybased EEQ, again showing the role of irradiation on the desorption of relatively
estrogenic compounds. The EEQ levels measured in vitro and chemically for North
Pacific Gyre-recovered plastics may be of concern for marine ecological systems. It was
found that EEQ concentrations at 10 ng/L (or less) resulted in adverse eco-toxicological
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effects in ten out of 14 studies, including juvenile turbot (Psetta maxima), Japanese
medaka (Oryzias latipes), zebrafish (Danio rerio), frog (Xenopus tropicalis); Sydney
rock oysters (Saccostrea glomerate), fathead minnows (Pimephales promelas), and
Atlantic salmon smolts (Salmo salar) (Liu et al., 2017).
The levels of BPA found in the North Pacific Gyre-recovered plastic leachate
(0.7-2.6 µg/L) and irradiated virgin plastic leachate (0.5-1.1 µg/L) are within the range
that may cause pronounced adverse effects in fish. For instance, fathead minnows
exhibited altered sex cell type ratios (increased percentage of spermatocytes) following 1
µg/L BPA exposure (Sohoni et al., 2001). Additionally, significant induction of vtg in
juvenile seabass (Dicentrarchus labrax) exposed to BPA at a concentration of 10 µg/L
has been measured (A.D. Correia et al., 2007). Across all plastic leachates, the analytical
chemistry-based EEQ consistently under-estimated the in vitro EEQ, suggesting that
more compounds may be present that could explain the biological activity. This study
only focused on a subset of plasticizers such as BPA, OP, NP and several phthalates.
However, there are clearly more to be evaluated in a non-targeted capacity, including
brominated flame retardants that are known to be estrogenic, as well as the estrogenic
plasticizer 2,4,-di-tert-butylphenol that may co-elute or closely elute with 4-tertoctylphenol (Liu and Mabury, 2018; Meerts et al., 2001).
Conclusions
In summary, after 30 days of exposure under ambient temperature and UV
radiation, leachates from virgin plastic had limited in vitro and in vivo biological
activities of ER and AhR. Following irradiation, plastic leachates trended towards higher
AhR activity based on the non-significant trend towards higher induction of cyp1a1
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mRNA in vivo, and significant in vitro AhR-activation, which was determined to be due
mostly to desorbed intrinsic PCBs. Moreover, in vitro and in vivo estrogenicity bioassays
were significantly higher relative to control, which was attributed to the desorption of
BPA and 4-tert-octylphenol. The AhR- and ER-dependent effects of plastic-leachates
increased significantly with longer exposure in the environment likely due to enhanced
weathering and the desorption of adsorbed hydrophobic organic contaminants, including
PCBs and PAHs, as evidenced by North Pacific Gyre-recovered plastic. The
experimental conditions were based on an extremely high, yet environmentally-relevant
concentration of macroplastics and a conservative estimate of UV-radiation and thus
should be interpreted as a worst-case scenario for the potential for plastics to leach
estrogenic plastic-additives and transport AhR-active persistent organic pollutants to
otherwise low-pollution areas, thus causing biological activity. Based on these
conclusions, it is suggested that more concern should be given to the eco-toxicological
effects of leachates of macro-sized plastic, especially in low-flow ecosystems, such as
estuaries, rivers and tide pools, which may have relatively high aqueous concentrations of
macro-sized plastic compared to areas with a strong dilution potential such as the open
ocean.
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Supplemental Information
Table 2.S1. Parameters of plastic items used to simulate leachates
North-Pacific Gyre Plastic; Mass (g)
Item
Mean
straw
0.16
plastic cup fragment
0.81
insulating foam
3.83
balloon
0.82
bottle cap
2.29
hard foam
0.32
comb
1.43
braided twine
0.57
Sum
10.23

SD
0.01
0.06
0.04
0.04
0.33
0.05
0.05
0.05
0.33

Color
white
white/clear
yellow
red, orange, yellow
blue, white
white
black
blue

Polymer
polypropylene
Polycarbonate
polyurethane
latex
HDPE
polystyrene
polyproylene
polyproylene

Virgin Plastic; Mass (g)
Item
straw
plastic cup fragment
insulating foam
balloon
bottle cap
hard foam
comb
braided twine
Sum

Mean
0.16
0.79
3.82
0.84
2.33
0.31
1.47
0.57
10.29

SD
0.01
0.03
0.08
0.04
0.25
0.07
0.04
0.06
0.29

Color
white
clear
yellow
green
blue, green
white
black
blue

Polymer
polypropylene
Polycarbonate
polyurethane
latex
HDPE
polystyrene
polyproylene
polyproylene

Irradiated Plastic; Mass (g)
Item
straw
plastic cup fragment
insulating foam
balloon
bottle cap
hard foam
comb
braided twine
Sum

Mean
0.16
0.79
3.8
0.82
2.43
0.32
1.47
0.55
10.33

SD
0.02
0.04
0.05
0.03
0.06
0.04
0.03
0.03
0.1

Color
white
clear
yellow
green
blue, green
white
black
blue

Polymer
polypropylene
Polycarbonate
polyurethane
latex
HDPE
polystyrene
polyproylene
polyproylene
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North Pacific Gyre-Recovered Plastic

Virgin and irradiated virgin plastic
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Figure 2.S1. Photos of plastic items used for leachates. Photo showing plastic items recovered from the North Pacific Gyre
(left) and their virgin counterparts (right). Each column of items is a set of replicates used for modeling leachates.

Fourier-Transform Attenuated Total Reflection (FTIR-ATR) Analysis
For IR data, Fourier-transform infrared attenuated total reflection (FTIR-ATR)
spectra were measured by using a FTIR spectrometer (Bruker, Tensor 27) with a
deuterated triglycine sulfate (DTGS) detector and a horizontal reflection Ge attenuated
total reflection (GATR) accessory (Harrick Scientific, 65° incidence angle). All spectra
correspond to averages of 1024 scans taken at 4 cm-1 resolution. Spectra were compared
with literature spectra to confirm polymer type (Käppler et al., 2016). Comparisons of
virgin and ocean-derived plastic item FTIR spectra are shown in Figure 2.S2.
Formal statistical comparisons of FTIR spectra of pairs of plastic items was
conducted using Spearman rank correlation coefficients. Spearman’s rank correlation
coefficient has been proven to be a useful method to compare compounds based on FTIR
spectra and is similar in nature to the Pearson’s product moment correlation coefficient
(Baumann and Clerc, 1997). Spearman’s rank correlation coefficient differs from
Pearson’s in that it ignores the distribution of the variables by rank-transforming them
into a discrete uniform distribution, thus proving more robust as it does not quantify the
strength of the linear correlation, but rather any monotonous correlation (Spearman,
1904). So, any differences in the overall magnitude of the FT-IR peaks between spectra
become normalized through rank-transformation, allowing for robust correlation. This
method has been shown to be particularly effective in comparing FT-IR spectra from
objects that have differential weathering (Girod et al., 2015).
Due to the high number of paired comparisons of wavelength intensity between
spectra (2,385 comparisons), the reliability of the Spearman r correlation coefficients was
all extremely statistically significant (p<0.0001). These formal statistical comparisons
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should not be used as the sole method of matching polymer type based on FT-IR spectra,
but can serve as a simple and useful metric for the relative confidence in the similarities
of polymer type in addition to the visual comparison of spectra.
While most paired items had strong (0.6-0.79) to very strong (0.8-1.0) correlation
between spectra, the plastic cup fragment had only a moderate correlation (0.59), Table
2.S2. Four independent locations were measured on the ocean-derived plastic cup
fragment, (Figure 2.S2a), revealing differential degradation due to weathering.
Table 2.S2. Spearman Rank Correlation Coefficient between FT-IR spectra
of plastic item pairs
Item
straw
plastic cup fragment
insulating foam
balloon
bottle cap
hard foam
comb
braided twine

Spearman r
0.75
0.59
0.77
0.80
0.73
0.77
0.66
0.77
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95% CI
0.74 to 0.77
0.56 to 0.62
0.75 to 0.78
0.79 to 0.81
0.71 to 0.75
0.76 to 0.79
0.63 to 0.68
0.76 to 0.79
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Figure S2. Comparisons of FTIR-ATR spectra of virgin and ocean-derived plastic. All spectra correspond to averages of 1024
scans taken at 4 cm-1 resolution.
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Figure 2.S2a. FTIR-ATR spectra of ocean-derived plastic cup at four random positions. Variability in spectra may be
attributed to differential degradation due to weathering .

Additional information on chemical analysis
PAH Analysis
The GC system was equipped with an HP-5 phenyl methyl siloxane capillary
column (30 mm x 0.25 mm inner diameter, 0.5 µm film thickness) with helium carrier
gas at 100 kPa. GC-MS operating conditions were set at 70 eV ionization potential with
the source at 230°C and the electron multiplier voltage at ~2000 eV. The oven
temperature was 40°C, increased to 250 °C using a 8°C/min gradient, and then increased
to 320 °C at a rate of 3°C/ min. Inlet temperature was set to 250°C in back and 50°C in
front and the sample was injected in splitless mode. After a 5-minute solvent delay,
selected ion monitoring (SIM) mode was used (Table 2.S3). Samples were compared to
an external standard curve of 16 PAHs ranging from 86 ug/L (ppb) to 10 mg/L (ppm) in
hexane. All of the calibration lines showed high linearity (R2>0.99), except fluoranthene
(R2=0.97) pyrene (R2=0.97), benz[a]anthracence/chrysene (R2=0.91), benzo[a]pyrene
(R2=0.0.97) and indeno[1,2,3-c,d]pyrene/benzo[g,h,i]perylene (R2=0.93). Due to the
lower degree of linearity in the standard curves, their respective MDLs were higher
(Table 2.S6).
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Table 2.S3. Selected Ion Monitoring Parameters for analysis of PAHs
Compound
Naphthalene
Acenaphthene
Acenaphthylene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[b]fluoranthene
Benzo[k]fluoranthene
Benzo[a]pyrene
Indeno[1,2,3-c,d]pyrene
Dibenz[a,h]anthracene
Benzo[g,h,i]perylene

Transition 1
128.17
154>153
152>126
165>115
178 > 176
178 > 176
202 > 200
202 > 200
228 > 226
228 > 226
252 > 250
252 > 250
252 > 250
276 > 274
278 > 276
276 > 274
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CE
CE
Transition 2
T1
T2
N/A
N/A
N/A
25
154>152
15
25
152>150
15
25
166>139
15
25
178 > 152
15
25
178 > 152
15
30
202 > 152
30
20
202 > 152
30
30
228 > 202
20
30
228 > 202
20
30
252 > 226
20
30
252 > 226
20
30
252 > 226
20
45
276 > 272
50
30
278 > 252
20
45
276 > 272
50
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Figure 2.S3. Comparisons of PAH content in 100% MeOH SPE extracts of plastic leachates by ring number. A trend towards
higher 5-ring PAH content was observed in ocean-derived (NPG) plastic leachate, however no statistically significant
differences were observed (two-way ANOVA).

PCB Analysis
Co-planar PCBs were analyzed using a Varian 3800 gas chromatography (GC)
(Varian Instruments, Sunnyvale, CA) coupled with a Varian 1200 triple-quadrupole mass
spectrometer (MS/MS). A 1.0-μL aliquot of the final sample was injected at 260 °C in the
splitless mode at a constant flow of 1 mL min−1. Helium (99.999%) was used as the
carrier gas in the pressure-pulse mode (45 psi for 0.8 min). The oven temperature was
programmed to start at 80 °C, increased at 8°C/min to 300 °C, then held for 7 minutes.
The mass spectrometer electron ionization source was 70 eV (EI). Mass spectrometer
settings are listed in Table 2.S4. All standard curves showed a high degree of linearity
(R2>0.99). PCB 88 was used as an internal standard.
PCB congeners 77 and 110 are known to co-elute in gas chromatography
(Lausevic et al., 1995). While analytical strategies exist to separate these compounds
based on unique spectra once reacted with methane, these advanced methods were not
employed (Lausevic et al., 1995). Due to the lack of separation of the toxic co-planar
PCB congener 77 and the less toxic and more environmentally abundant co-eluting
congener 110, PCB 77 was left out of the toxic equivalency factor calculations.
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Table 2.S4. Multiple Reaction Monitoring Parameters for analysis of PCBs
PCB Congener
81
77
123
118
114
105
126
167
156
157
180
169
170
189
88

RT
(min)
23.974
24.288
24.664
25.003
25.072
25.465
25.957
27.585
28.365
28.555
28.879
29.582
29.892
30.798
26.995

T1 CE
(V)
220 N/A
291.9->220.0
25
325.9->256.0
30
325.9->256.0
30
325.9->256.0
30
325.9->256.0
30
325.9->256.0
30
359.8->289.0
30
359.8->289.0
30
359.8->289.0
30
397.0->323.0
35
359.8->289.0
30
397.0->323.0
35
397.0->323.0
35
325.9->256.0
30
Transition 1
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dwell
(s)
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1

UPLC Analysis
Plasticizer analysis was done using a Waters© ACQUITY ultra-performance
liquid chromatography in with Waters Micromass triple quadrupole mass-spectrometer
equipped with an electro-spray ionization interface (UPLC-TQD MS/MS, ESI) equipped
with a 100 x 2.1 mm Waters BEH C18 column (1.7 µm particle size) (Milford, MA) at 40
°C. All R2 values of standard linear regression curves of compounds measured using the
UPLC TQD were >0.98. Mass spectrometer settings for each compound may be found in
Table 2.S5. All compounds were quantified using multiple reaction monitoring (MRM)
mode and confirmed using a parent and two daughter ions (if possible). Exceptions
include DOP, DEHP and OP which did not produce daughter ions at levels that were able
to be reliably quantified, in which case retention time (±0.02 seconds) matched to
selected ion recording (SIR) m/z were used to integrate peak area. DOP and DEHP
shared the same SIR parameters and were separated by retention time determined with
authentic standards (peaks were fully separated by 10 seconds).
All samples were analyzed in positive and negative ESI mode using a binary
gradient system. For ESI positive mode, the mobile phases were A water (18 Ω ) and B
methanol (Optima™ grade; Fisher, Hampton, NH) with a flow rate was 0.4 mL/min. The
gradient in terms of Mobile Phase B was as follows: initial condition began with 40% for
0.5 min then increased linearly to 99% for 3 min, then held for 6 min, then decreased
linearly to 60% linearly for 0.5 min. The column was then re-equilibrated for 1 min (total
run time 7.5 min). The injection volume was set to 10 μL. Capillary voltage was set to
2.70 kV, source temperature was 150°C, desolvation temperature was 350°C and
desolvation gas flow was 650 L/Hr, the collision gas was Argon (99.9% pure).
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For negative mode, the mobile phases were A water (18 Ω ) with 10 mM
ammonium acetate (Optima grade; Fisher, Hampton, NH) and B methanol, the flow rate
was 0.4 ml/min. The gradient in terms of Mobile Phase B was as follows: initial
conditions 40% methanol for 0.5 min, then increasing linearly to 99% for 2 min, and held
for 4 min, then decreased linearly to 60% to 4.5 min. The column was then reequilibrated for 2 min for a total run time of 6.5 min. The injection volume was set to 10
μL. Capillary voltage was set to 3.00 kV, source temperature was 150°C, desolvation
temperature was 500°C and desolvation gas flow was 1,000 L/Hr.
Table 2.S5. Multiple Reaction Monitoring Parameters for UPLC-MS/MS

Compound Transition 1
DMP
DEP
BPS
DBP
BBP
TPHP
TDCIPP
DOP
DEHP
BPA
NP
2,4-d-t-BP
OP

195.03> 77.04
223.03>93.03
251.06>93.03
279.15>149.01
313.15>91.01
327.05>77.03
430.87>98.96
391.29>149.06
391.29>149.06
227.17>133.09
219.21>106.03
205.0>149.0
205.15>133.0

T1
CE
(V)
30
32
24
14
14
42
28
16
16
22
20
26
24

Transition 2
195.03>163.06
223.03>149.00
251.06>157.00
279.15>205.06
313.15>205.06
327.05>152.05
430.87>208.97
N/A
N/A
227.17>212.11
N/A
205.0>189.0
N/A

120

T2
CE
(V)
10
14
24
6
6
40
16
N/A
N/A
18
N/A
24
N/A

dwell Cone
ESI
(s)
(V)
0.05
0.02
0.05
0.02
0.02
0.02
0.02
0.23
0.23
0.03
0.03
0.012
0.012

14
16
36
20
16
52
26
22
22
50
46
40
40

(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(-)
(-)
(-)
(-)

Statistical comparison of analytical data
Differences in analytically-determined concentrations of PAHs, PCBs and
plasticizers between plastic leachate types and methanol fractions of SPE extracts were
compared using two-way ANOVA (Prism 6). Comparison of the concentrations of PAHs
by ring number showed no significant differences between plastic leachate types (p=0.44)
nor overall differences in PAH ring number (p=0.06) as analyzed by two-way ANOVA.
No statistically significant differences were observed in the concentrations of specific
PAH compounds between plastic leachate types (p=0.93), nor were overall differences
between PAH compounds observed (p=0.22) as analyzed by two-way ANOVA
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Table 2.S6. Chemical Concentrations of Whole Leachate Extracts (ng/L)
Plastic Leachate type
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Compound
Naphthalene
Acenaphthene
Acenaphthene
Fluorene
Phenanthrene/Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene/Chrysene
B[b]F/B[k]f
Benzo[a]pyrene
I[1,2,3-c,d]pyr./B[g,h,i]per.
Dibenz[a,h]anthracene
PCB 81
PCB 77/110
PCB 123
PCB 118
PCB 114
PCB 105
PCB 126
PCB 167
PCB 156
PCB 157

North Pacific
Virgin
Irradiated Virgin
Gyre
Mean
SD
Mean
SD
Mean
SD
LOQ
<LOQ
N/A <LOQ
N/A <LOQ
N/A
203.5
26.4
35.5
39.4
29.7
60.6
77.4
21.7
47.8
55
48.4
30.3
66.4
111.8
37.6
<LOQ
N/A <LOQ
N/A <LOQ
N/A
68.2
115
223.9
34.2
55.6
19.2
27.1
18.4
<LOQ
N/A
325.2
555.9 <LOQ
N/A
78.4
<LOQ
N/A
32.7
46.8
22.3
30.1
38.8
<LOQ
N/A <LOQ
N/A <LOQ
N/A
45.7
247.3
463.6
20.2
30
167.6
226.5
11.7
465.2
737.8
379.3
621.5 <LOQ
N/A
322.9
<LOQ
N/A <LOQ
N/A <LOQ
N/A
63.7
<LOQ
N/A <LOQ
N/A <LOQ
N/A
154.8
<LOQ
N/A <LOQ
N/A <LOQ
N/A
103
1296.1 2033.7
130.1
241 1717.4 2911.7
86.4
<LOQ
N/A <LOQ
N/A <LOQ
N/A
202
562.4
960.2
21.2
36.1
31.7
27.5
68.7
203.9
347.2
74.3
126.7 <LOQ
N/A
66.3
<LOQ
N/A <LOQ
N/A <LOQ
N/A
83.7
7.2
12.2 <LOQ
N/A <LOQ
N/A
13.5
<LOQ
N/A
37.3
63.7 <LOQ
N/A
95.7
<LOQ
N/A <LOQ
N/A <LOQ
N/A
76
<LOQ
N/A <LOQ
N/A <LOQ
N/A
97.1

123

PCB 169
PCB 180
PCB 170
PCB 189
DEHP
TDCIPP
TpHP
BBP
DBP
BPS
DEP
DMP
DOP
BPA
Nonylphenol
Octylphenol

<LOQ
<LOQ
<LOQ
<LOQ
1691
59.7
<LOQ
521.9
5791.6
3.3
209.6
<LOQ
549.1
242.8
<LOQ
6919.9

N/A
N/A
N/A
N/A
5722
702.2
N/A
806.6
9767.4
55.4
733.3
N/A
9436.7
1043.2
N/A
5829.1

<LOQ
55.6
<LOQ
<LOQ
1862.6
159.6
<LOQ
82.7
1742.2
10.5
216.9
<LOQ
561.9
112.4
<LOQ
146.3

N/A
94.9
N/A
N/A
4601.7
1397.5
N/A
233.6
11882.3
126.8
887.6
N/A
464
449.8
N/A
402.8

55.4
62.3
<LOQ
<LOQ
591.5
92.9
<LOQ
48.2
650.7
87.6
136.3
<LOQ
<LOQ
171.4
<LOQ
1176.6

80.8
107.9
N/A
N/A
4748.6
363.8
N/A
153.6
1445.3
221.2
572.2
N/A
N/A
432.3
N/A
2355.3

128.6
47.7
51
77.1
54.4
19.8
143.9
197.8
252.7
1.7
26.2
1091.5
437.9
288.8
654.1
247.5

Concentrations of analytically-targeted compounds of 100% MeOH SPE extracts (whole extracts) of plastic leachates.
Mean and standard deviation are based on three independent laboratory replicates (N=3).

Analytical-based estradiol equivalency calculations
When possible, estradiol equivalency factors (EEF) were based on values derived
using the cell line used to analyze plastic leachates (Vm7Luc4E2). When not possible,
mean values from all cell lines used to analyze these compounds in the literature were
used (Akahori, 2008; ICCVAM, 2011; Knepper and Barcelò, 2003; Murk et al., 2002;
Rochester and Bolden, 2015).Toxic equivalency factors were based on generally agreedupon values (Barron et al., 2004b; Berg et al., 2008). TEF values are summarized in
Table 2.S7. EEF values are summarized in Table 2.S8.

Table 2.S7. Estradiol equivalency factors for plasticizers
Compound

CAS #

Abbrev.

EEF

Source

17-beta-estradiol
50-28-2
E2
1 ICCVAM (2011)
Diethylhexyl phthalate
118-81-7 DEHP
2.50E-05 Murk (2002)
Butyl Benzyl Phthalate
85-68-7
BBP
1.40E-06 Knepper (2003)
Di-n-butyl Phthalate
84-74-2
DBP
1.80E-08 ICCVAM (2011)
Bisphenol S
80-09-1
BPS
9.20E-06 Rochester and Bolden (2015)
Diethyl Phthalate
84-66-2
DEP
3.20E-08 Knepper (2003)
Dimethyl Phthalate
131-11-3 DMP
1.10E-05 Murk (2002)
Di-n-octyl Phthalate
117-84-0 DOP
N/A Knepper (2003)
Bisphenol A
80:05-7
BPA
1.06E-05 ICCVAM (2011)
4-n-Nonylphenol
104-40-5 NP
2.30E-05 Knepper (2003)
4-tert-Octylphenol
140-66-9 OP
1.75E-04 ICCVAM (2011)
2-4-di-tert-Butylphenol
96-76-4
2,4-d-t-BP 1.60E-05 Akahori (2008)
Estradiol equivalency factors (EEF) are listed for compounds measured using
UPLC-MS/MS. EEF values are the molar ratio of the EC50 of the compound divided by
the EC50 of 17-beta-estradiol and as such are unitless.
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Analytical-based toxic equivalency calculations
TEF values were for PAHs were based on a number of studies that used in vitro
models of fish and rat cells (Bols et al., 1999; Klimm et al., 1999; Villeneuve et al., 2002;
Willett et al., 1997). Specifically, the potency of benzo(a)pyrene on the AhR receptor
relative to 2,3,7,8-tetrachlorodibenzodioxin (TCDD) was used as a baseline TEF, to
which all other PAHs were compared, using their well-documented relative potency
factors (California Environmental Protection Agency, 2002). The potency of
benzo(a)pyrene on the AhR receptor relative to 2,3,7,8-tetrachlorodibenzodioxin (TCDD)
has shown to be highly reproducible, with the aforementioned studies reporting TEF
values between 3.0-4.2 x 10-4. TEF values for co-planar PCBs were based one latest reevaluation by the World Health Organization (Berg et al., 2008).
Toxic equivalency factors (TEF) are listed in Table 2.S8 for compounds
measured using GC-MS/MS. TEF values are the molar ratio of the EC50 of the
compound divided by the EC50 of TCDD and as such are unitless. When more than
compound is listed together, such as benz[a]anthracene/chrysene, this indicates that these
compounds were unable to be separated analytically due to their co-elution, and their
listed TEF value is either the mean of both of their TEF values or are already identical in
potency.
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Table 2.S8. Toxic equivalency factors for PCBs and PAHs
Compound
Naphthalene
Acenaphthene
Acenaphthylene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[b]fluoranthene
/Benzo[k]fluoranthene
Benzo[a]pyrene
Indeno[1,2,3-c,d]pyrene
/Benzo[g,h,i]perylene
Dibenz[a,h]anthracene
3,4,4’,5-tetraCB (PCB 81)
3,3’,4,4’-tetraCB (PCB 77)
2’,3,4,4’,5-pentaCB (PCB 123)
2,3’,4,4’,5-pentaCB (PCB 118)
2,3,4,4’,5-pentaCB (PCB 114)
2,3,3’,4,4’-pentaCB (PCB 105)
3,3’,4,4’,5-pentaCB (PCB 126)
2,3’,4,4’,5,5’-hexaCB (PCB 167)
2,3,3’,4,4’,5-hexaCB (PCB 156)
2,3,3’,4,4’,5’-hexaCB (PCB 157)
3,3’,4,4’,5,5’-hexaCB (PCB 169)
2,2',3,4,4',5,5'-HeptaCB (PCB 180)
2,2',3,3',4,4',5-HeptaCB (PCB 170)
2,3,3’,4,4’,5,5’-heptaCB (PCB 189)

CAS #
91-20-3
83-32-9
20-896-8
86-73-7
85-01-8
120127
266-44-0
12-900-0
56553
218019
205-99-2
207089
68041-22-5
193395
191242
53-70-3
70362-50-4
32598-13-3
65510-44-3
31508-00-6
74472-37-0
32598-14-4
57465-28-8
52663-72-6
38380-08-4
69782-90-7
32774-16-6
35065-29-3
35065-30-6
39635-31-9
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TEFTCDD
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
6.0E-06
6.0E-06
3.0E-04
3.0E-04
3.0E-04
3.0E-05
3.0E-05
3.0E-05
3.0E-04
1.0E-04
3.0E-05
3.0E-05
3.0E-05
3.0E-05
1.0E-01
3.0E-05
3.0E-05
3.0E-05
3.0E-02
N/A
N/A
3.0E-05

Source
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Villeneuve (2002)
Cal-EPA (2005)
Cal-EPA (2005)
Cal-EPA (2005)
Cal-EPA (2005)
Villenueve (1998)
Cal-EPA (2005)
Cal-EPA (2005)
Cal-EPA (2005)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)
Van den Berg (2008)

Additional information on cell bioassays
MTT Cytotoxicity
The colorimetric assay measures the ability of cells to reduce MTT into formazan
by mitochondrial succinate dehydrogenase (van de Loosdrecht et al., 1994). The main
objective of the MTT assay is to optimize the concentration of SPE samples so that cells
were consistent and healthy to accurately report ligand binding activity.
Cultured attached cells were collected and plated at a density of 2×104 cells/100ul
in each well of 96-well plates using DMEM with 10% FBS serum (ER cells) or
OptiMEM with 10% FBS (AhR Cells). After 24 hours, the cells were treated with either
vehicle, various concentrations of the leachate solid phase extract concentrates or a 10%
DMSO positive control. Sixteen hours later, the original solution was removed from each
well and replaced with 50 ul of diphenyltetrazolium bromide (MTT, 5mg/ml in PBS,
Sigma–Aldrich, St. Louis, MO, USA) and continuously incubated at 37◦C for 4 hours.
The MTT solutions were then replaced with 200 ul of a 1:1 mixture of dimethyl
sulfoxide:ethanol and shaken for 10min to solubilize the MTT crystals. Absorbance was
measured using an automatic microplate reader (SpectraMax+ 384, Molecular Devices,
San Jose, CA) at 595 and 650 nm. The ratio of 595/650 nm was then used to compare
survival relative to the solvent carrier control wells in each plate, with normalization to
cell-free wells.
The following equation was used to calculated %live from the MTT assay:
*+,-./ 12134 89/..8:;// =>?@;>. 12134
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normalized to 9 replicate wells of methanol control within each respective plate to
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minimize inter-plate variability. Concentrations demonstrating low cytotoxicity (i.e.
>80% healthy relative to MeOH control) were deemed suitable for the ligand binding
reporter assay. Statistical differences between treatments (a<0.05) were determined using
analysis of variance (ANOVA). Prior to performing ANOVA, the experimental data were
checked for homogeneity of variance using Bartlett’s test. Tukey’s honest significant
difference test was performed to assess differences between treatments.
CYP1A1-bla LS-180
No overall significant difference between plastic treatment types (i.e. ocean
plastic, virgin plastic, virgin plastic with UV) was observed. Figure 2.S4 shows mean ±
standard error of percent live cells calculated using the MTT assay. All extracts displayed
>80% survival below 75x concentration.
VM7Luc4E2
No overall significant difference between plastic treatment types (i.e. ocean
plastic, virgin plastic, virgin plastic with UV) was observed. However, the 150x
concentration of virgin plastic (90% MeOH SPE) was highly significantly different than
the same concentration and SPE elution from virgin plastic with UV (p=0.005). Figure
2.S5 shows mean ± standard error of percent live cells calculated using the MTT assay.
All extracts displayed >80% survival below 75x concentration.
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Figure 2.S4. Leachate cytotoxicity in AhR. Cytotoxicity of MeOH-fractionated solid-phase extract leachates from North
Pacific Gyre-recovered, virgin and irradiated virgin plastic in aryl-hydrocarbon reporter (AhR) cell line calculated using the
MTT colorimetric assay. Percentage survival is shown as relative to MeOH control wells. Each value represents the mean ±
standard error (n=3). ANOVA with Tukey’s post-hoc test revealed no significant differences between plastic treatment types
(a<0.05).
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Figure 2.S5. Leachate Cytotoxicity in ER.Cytotoxicity of MeOH-fractionated solid-phase extracts of leachates from marine
plastics, virgin plastics and irradiated virgin plastic in recombinant estrogen-reporter cell line VM7Luc4E2 calculated using the
MTT colorimetric assay. Percentage survival is shown relative to MeOH control wells. Each value represents the mean ±
standard error (n=1-3). Samples showing greater than 80% survival were deemed suitable for the agonist-binding reporter
assay. ANOVA with Tukey’s post-hoc test revealed no significant differences between plastic treatment types (a<0.05).

In vitro Toxic Equivalency Values (TEQ)
Each methanol fraction of the solid phase extract of plastic leachates, including
the 100% methanol whole method extract, was analyzed for aryl-hydrocarbon receptor
(AhR) activity using the GeneBLAzer© CYP1A1-bla-LS180 cells (Invitrogen, Carlsbad,
CA, USA) according to the manufacturer’s protocol (Invitrogen, 2010). Linear regression
analysis of the ambient (1X) toxic equivalency value (TEQ) relative to TCDD in ng/L is
listed for each methanol fraction SPE extract in Table 2.S9. Calculation of the method
quantification limit (MQL) was based on the method described in (Kinnberg, 2003),
which is the quantitation limit multiplied by the maximal concentration factor of the
water extract that did not demonstrate cytotoxic effects. Due to measured cytotoxicity in
the AhR cell-line, a maximal concentration factor of 75 was used for quantification, thus
the limit of quantification for the whole method was 6.1 pg/L.
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Table 2.S9. In vitro toxic equivalency values (TEQ) of MeOH fractionated
extracts of leachates
Plastic Leachate Type

%MeOH SPE

100%
90%
North Pacific Gyre
70%
50%
30%
10%
100%
90%
Virgin
70%
50%
30%
10%
100%
90%
Irradiated Virgin
70%
50%
30%
10%
Estradiol Equivalency Values (EEQ)

TEQ (Mean ± SEM)
1.06 ± 0.31
0.57 ± 0.13
0.28 ± 0.16
0.02 ± 0.03
<MDL
0.32 ± 0.12
0.38 ± 0.04
0.12 ± 0.03
0.30 ± 0.01
0.21 ± 0.04
0.33 ± 0.18
<MDL
0.71 ± 0.27
0.66 ± 0.25
0.31 ± 0.09
0.20 ± 0.15
0.03 ± 0.01
0.16 ± 0.46

R2
0.79
0.84
0.89
0.99
N/A
0.96
0.8
0.93
0.69
0.54
0.67
N/A
0.63
0.64
0.06
0.01
0.98
0.45

Each methanol fraction of the solid phase extract of plastic leachates,
including the 100% methanol whole method extract, was analyzed for estrogen-receptor
(ER) activity using the Vm7Luc4E2 cell line according to standard operating procedures
(OECD, 2015). Linear regression analysis of the ambient (1X) estradiol equivalency
(EEQ) relative to 17-beta-estradiol in ng/L is listed for each methanol fraction SPE
extract in Table 2.S10. No interpolated 1x values fell below the method detection limit
(0.034 ng/L).

132

Table 2.S10. Estradiol equivalency values (EEQ) of MeOH fractionated
extracts of plastic leachates
Plastic Leachate Type

North Pacific Gyre

Virgin

Irradiated Virgin

%MeOH
SPE
100%
90%
70%
50%
30%
10%
100%
90%
70%
50%
30%
10%
100%
90%
70%
50%
30%
10%

EEQ (Mean ± SEM)
6.25 ± 0.76
3.64 ± 0.97
7.73± 1.76
5.95 ± 1.20
3.28± 1.17
5.54 ± 2.25
0.07 ± 0.74
0.10 ± 0.09
0.07 ± 0.03
0.06 ± 0.05
0.35 ± 0.17
0.07 ± 0.06
6.87 ± 1.37
1.66 ± 0.43
4.05 ± 1.54
3.33 ± 0.32
2.29 ± 1.04
4.69 ± 3.56
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R2
0.91
0.77
0.5
0.57
0.51
0.64
0.93
0.56
0.16
0.64
0.95
0.91
0.86
0.57
0.63
0.87
0.79
0.7

Correlation of in vitro and chemical-based TEQ and EEQ values
Normality of analytical and in vitro TEQ and EEQ data were tested using the Shapiro-Wilk’s test for normality.
All data passed the normality test, so the two-tailed parametric-based Pearson correlation coefficient test was used (Prism 6).
The visualization of these results as well as the Pearson r and P values are listed in Figure 2.S6.
TEQ analytical vs. in vitro

EEQ analytical vs. in vitro
20

in vitro EEQ (ng/L)
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in vitro TEQ (ng/L)

2.0
1.5
1.0
0.5
0.0

15
10
5
0

0

1

2

3

0

1

2

3 5

10

15

Analytical EEQ (ng/L)
Analytical TEQ (ng/L)
Analytical TEQ
Analytical TEQ
Analytical TEQ
Analytical EEQ
Analytical EEQ
Analytical EEQ
vs. n vitro and
vs.analytically vs.
vs. EEQ values.
vs. Pearson Correlations
vs.
Figure 2.S6. Correlations between
determined TEQ and
between the
in vitro EEQ (OP) in vitro EEQ (VP) in vitro EEQ (VP+UV)
in vitro TEQ (OP) in vitro TEQ (VP) in vitro TEQ (VP+UV)
chemical-based
TEQ/EEQ
values for each methanol fraction
of rthe plastic leachates are plotted, with error bars displaying the
Pearson
Pearson
r
standard errorr of the mean (SEM).
r
0.8706
0.8698
0.7495
0.8901
0.01880
0.9284
confidence
interval
0.2010 to 0.9857 0.1982 to 0.9856 -0.1585 to 0.9706
95% confidence interval 0.2827 to 0.9880 -0.8050 to 0.8179 95%
0.4741
to 0.9923
R0.8620
squared
0.7579
0.7566
0.5617
R squared
0.7922
0.0003535

P value
P (two-tailed)
P value summary

0.0175
*

0.9718
ns

P value
P0.0075
(two-tailed)
0.0240
P**value summary
*
Significant? (alpha = 0.05) Yes

0.0243
*
Yes

0.0863
ns
No

Additional information on in vivo bioassays
Primers for Japanese medaka (Oryzias latipes) vitellogenin (VTG) and
cytochrome p450 1 A1 (CYP1A1) were designed using their annotated sequences in the
NCBI database, then generating appropriate primers using PrimerQuest software from
Integrated DNA Technologies (Coralville, IA), which were then checked for specificity
using the Primer BLAST tool (ncbi.nlm.nih.gov). Three different sets of both reverse and
forward primers for each gene (as well as housekeeping genes b-actin and 18S rRNA)
were optimized based on annealing temperature, template concentration and primer
concentration. Following optimization, PCR products were confirmed by their amplicon
size using DNA gel electrophoresis. The sequences of primers that were chosen for
analysis are listed in Table 2.S11. Table 2.S12 lists the fold induction of tested genes
from positive control and plastic leachate whole SPE extract (0.1% methanol, 1X
concentration) treated fish relative to 0.1% methanol carrier control-treated fish.
Positive controls (PCB-126, 200 nM) and 17-beta estradiol (500 ng/L) were
effective at inducing CYP1A and VTG, respectively. Interestingly, 17-beta estradioltreated medaka showed significant up-regulation of CYP1A in addition to VTG, which
was an unexpected result. Additionally, the upregulation of VTG in PCB-126 treated
larval medaka is an unexpected result, as AhR agonists have been shown to inhibit VTG
expression through one of six possible cross-talk mechanisms (Bugel et al., 2013).
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Table 2.S11. Japanese Medaka (Oryzias latipes) qPCR Primers
Gene
VTG; forward
VTG; reverse
CYP1A; forward
CYP1A; reverse
18s rRNA; forward
18s rRNA; reverse

Sequence
AGGCTTTCATGGTTTCAAGAGCTAA
ACCCTCTTTAATGTCAAGTCTTGCA
CGCAGAAAGTTGGCCTACAGT
TCTGCATTGCTGCCCTCTAG
CGTTCAGCCACACGAGATTG
CCGGACATCTAAGGGCATCA

Table 2.S12. RT-qPCR fold-induction of VTG and CYP1A in Japanese
Medaka (Oryzias latipes)

Sample
MeOH Control (n=7)
Estradiol (500 ng/L) (n=4)
PCB-126 (200nM) (n=3)
Ocean Plastic (n=5)
Virgin Plastic + UV (n=5)
Virgin Plastic (n=4)

Fold Induction (Mean +
SEM)
VTG
CYP1A
1.0 ±2.2
1.0 ±2.8
55.7 ±4.1
5.7 ±5.1
21.4 ±4.0
88.2 ±3.2
9.9 ±3.4
17.8 ±2.9
10.1 ±2.8
8.4 ±2.9
2.0 ±2.1
0.4 ±2.1

p-value
VTG

CYP1A

0.001
0.176
0.058
0.005
0.039
0.019
0.042
0.17
0.917 > 0.9999

RT-qPCR results for 3dph Japanese medaka exposed (5 days) to ambient
concentration equivalents of solid-phase extracts of leachates generated from plastic from
the North Pacific Gyre, virgin plastic + UV and virgin plastic at 0.1% methanol in water.
Results for methanol carrier control and positive controls (17-beta-estradiol and PCB126) are also shown. Statistical differences in gene induction between treated and control
fish were analyzed using one-way ANOVA (VTG) and Kruskall-Wallis (CYP1A). The pvalue from Dunnett’s post-hoc test is listed for VTG, and the non-parametric Dunn’s test
p-value is listed for CYP1A.
Vitellogenin= VTG, cytochrome p450 1A1= CYP1A.
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Chapter 3: Simulated Digestion of Polystyrene Foam Enhances Desorption of
Diethylhexyl Phthalate (DEHP) and In vitro Estrogenic activity in a Size-Dependent
Manner
Abstract
Marine polychaetes and fish are known to ingest polystyrene microparticles in the
environment. Laboratory microplastic feeding experiments have demonstrated that plastic
may release endocrine-disrupting compounds such as diethylhexyl phthalate (DEHP),
which can cause adverse effects in both vertebrates and invertebrates. In order to
determine the influence of size and digestive conditions on the desorption of DEHP and
other plasticizers to polychaetes and fish, we exposed polystyrene particles of various
sizes under invertebrate and vertebrate digestive conditions (vertebrate mimic; pepsin,
pH=2.0, 24° C, invertebrate mimic; Na taurocholate pH=7, 18° C). Estrogen receptor
activation and concentrations of 12 plasticizers were measured in the extracts. DEHP,
bisphenol S and 4-tert-octylphenol were the only compounds detected. Simulated
vertebrate gut digestion did not significantly enhance the release of chemicals nor
estrogenic activity. However, a 6.3± 2.0-fold increase in the concentration of DEHP was
observed in extracts from invertebrate gut conditions (Mean± SD; N=24, p<0.0001).
Additionally, estimated particle surface area was positively correlated with estrogenic
activity across all treatment types (r=0.85, p<0.0001). Overall, these data indicate an
elevated bioaccessibility of DEHP may occur in invertebrates, and size-dependent
desorption of uncharacterized estrogenic compounds from plastic suggest additional
complexity when considering the risks of MP to aquatic organisms.
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Introduction
Microplastic is increasing in abundance in the world’s oceans (Goldstein et al.,
2012; Thompson et al., 2004), and, while tending to accumulate in gyres (Van Sebille et
al., 2015), the majority of marine microplastics eventually fall to the seabed (Carson et
al., 2011) with concentrations being up to 4 orders of magnitude greater than in the ocean
gyres (Woodall et al., 2014). Microplastic debris (<1 mm) has been found at
concentrations up to 3% in sediment by weight (Carson et al., 2011) and 621,000
particles kg-1 (Dubaish and Liebezeit, 2013). Polystyrene is one of the predominate types
of plastic found in the environment and has been found at concentrations of up to 1,490
particles L-1 in sediment in an estuary in South Africa (Naidoo et al., 2015). Although
polystyrene (1.05 kg/L) is only slightly less dense than seawater (1.03 kg/L)(Andrady,
2011), when manufactured, polystyrene beads usually contain air bubbles which increase
its density. However, once in the marine environment bio-fouling can cause the beads to
become negatively buoyant and ultimately cause movement into sediment (Claessens et
al., 2011).
Once in the sediment, microplastic particles may be ingested by a variety of
sediment-dwelling invertebrates, including holothurians (i.e. sea cucumbers), (Graham
and Thompson, 2009) amphipods (Orchestia gammarellus), barnacles (Semibalanus
balanoides), marine polychaetes (Arenicola marina) (Thompson et al., 2004), as well as
benthic commercial fish species such as the grey mullet (Mugil cephalus) (Cheung et al.,
2018). Indirect plastic ingestion also occurs through trophic transfer (Setälä et al., 2014).
Polychaetes (marine worms) commonly dominate microbenthic communities in
marine and estuary sediments (Hutchings, 1998) and contribute greatly in terms of
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productivity (Buchanan and Warwick, 1974). Polychaete health and abundance may
greatly impact marine ecosystems, as they are consumed by a variety of organisms such
as fish and birds (Goss-Custard et al., 1991), crustaceans (Hutchings, 1998) and
gastropods (Taylor, 1978). Also considered to be ecosystem engineers (Fadhullah and
Syakir, 2016) polychaetes provide multiple benefits to coastal and estuarine ecosystems
through their burrowing and feeding activities, including sediment oxygenation (Michaud
et al., 2005), sediment metabolism, and redistribution of organic matter (Christensen and
Vedel, 2000). As suspension, deposit and surface-deposit feeding organisms, polychaetes
selectively ingest food based on size, whereby small particles stick to the mucus-lined
proboscis papillae are retained, and larger particles are rejected (Zebe and Schiedek,
1996). Arenicola marina selectively ingest polystyrene microplastics between 0.40-1.3
mm in size through sediment in a controlled laboratory experiment (Besseling et al.,
2013). Ingestion of microplastic (microfibers) by polychaetes has been observed in the
field in Nova Scotia, Canada at an average concentration of 4-5.5 microplastic items per
g-fecal cast (Mathalon and Hill, 2014). Wright et al. (2013) estimated that A. marina
could consume up to 33 m3 of microplastics annually.
The ingestion of polystyrene microplastics in sediment by A. marina
demonstrated a positive relationship between weight loss and decreased overall fitness;
an effect the authors attribute to lower feeding efficiency and physical stress due to size
of the microplastic (Besseling et al., 2013). Associations have also observed between
depleted energy reserves and reduction in feeding activity with the ingestion of unplasticized polyvinylchloride (Wright et al., 2013). These effects were attributed to the
physical characteristics of the plastic, and not due to the effect of decreased food
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concentration. In addition to its potential adverse physical effects, polyvinyl chloride
ingestion by A. marina transferred adsorbed contaminants, such as triclosan, polybrominated diphenyl ether (PBDE-47), nonylphenol and phenanthrene to the organism
(Browne et al., 2013).
During the manufacturing process of plastics, chemical additives are incorporated
into plastics to enhance flame-resistance, antimicrobial activity, and structural aesthetics
(Li et al., 2018). Often these additives are not chemically bound to the plastic polymers
and are susceptible to leaching (OECD, 2004), especially when exposed to environmental
stressors such as UV exposure, saline water and mixing (Coffin et al., 2018; Suhrhoff and
Scholz-Böttcher, 2016). Moreover, plastic particle size has been shown to be inversely
proportional to desorption rate of hydrophobic organic contaminants previously adsorbed
to plastics (Teuten et al., 2009). Many plastic additives, such as diethylhexyl phthalate
(DEHP), 4-tert-octylphenol and bisphenol S, have been shown to disrupt the endocrine
system and affect lipid metabolism and adipogenesis, as well reproduction and
development of biota (Bonefeld-Jørgensen et al., 2007; Ghisari and Bonefeld-Jorgensen,
2009; Jia et al., 2016; Parks et al., 2000).
Due to the wide variety of plastic-associated compounds and their possible
environmental transformation products commonly used in plastics and their undocumented biological activity, the reliance on chemistry alone to predict toxicity may be
inadequate. In vitro receptor-binding bioassays may provide more comprehensive
estimates of activity than traditional targeted chemical analyses (Wernersson et al., 2015)
and can direct the characterization of responsible chemicals through an adverse outcome
pathway model (Ankley et al., 2010). The use of a bioassay in conjunction with modeled
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physiological gut parameters may provide a more accurate estimate of the total bioaccessible estrogenic compounds transferred to biota during ingestion than a traditional
approach that relies on the known concentrations of only a few targeted chemicals.
In order to better the understand the role that chemical additives play in the
toxicity of polystyrene once ingested by marine organisms, we measured the
concentrations of common plasticizers and calculated in vitro estrogen-receptor activity
from various size classes of polystyrene using gut mimic conditions.
Methods
Preparation of Polystyrene Digests
Polystyrene foam was obtained by shaving pieces from an insulated polystyrene
foam cooler (ULINE, Pleasant Prairie, WI). Foam pieces were then separated using a
series of sieves in a RO-TAP RX-29 automated Sieve Shaker (W.S. Tyler, Mentor,
Ohio). Polymer type was confirmed using Fourier-transform infrared spectroscopy
(supplemental information). The RO-TAP was set to a speed of 100 rotations per minute
and allowed to separate for 2 minutes. Sieves were placed in series in the following order
(mm): 9.5, 6.7, 4.75, 3.36, 2.83, 2.00, 1.4, 0.5 such that binning sizes in between sieve
sizes. The exact distribution of particle size was not further analyzed, and subsequent
surface area analysis was estimated based on the assumption that the median size was the
average of the top and bottom sieve sizes for each bin (supplemental information).
Plastic was “digested” in one of three conditions; saltwater control, invertebrate
digestion mimic and vertebrate digestion mimic. saltwater control exposure conditions
were prepared using deionized water with commercial salt at a practical salinity unit
(PSU) of 32 (Instant Ocean® Spectrum Brands, Blacksburg, VA) at neutral pH (7.0).
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Instant Ocean® contains minimal organic carbon (<0.20-0.3 mg/L) (Arnold et al., 2007).
Saltwater control samples were incubated at 18°C.
Simulated gastric fluid of invertebrate guts was made up of deionized water at
PSU=32 and neutral pH (7.0) with sodium taurocholate (15.5 mM) and 5.0 g/L bovine
serum albumin (BSA) (Voparil and Mayer, 2004). Invertebrate digest samples were
incubated at 18°C, based on physiological temperature (Chennu et al., 2015).
To simulate the gastric fluid of marine vertebrates, 2g/L pepsin A (SigmaAldrich, St. Louis, MO) was acidified to pH 2.0 (using 0.1 M HCl and 0.1 M NaOH) in
deionized water (PSU=32) based on the methods standardized by the Association of
Official Analytical Chemists (Helrich, 1990) and the optimal pH for pepsin activity
(Vonk and Western, 1984). Vertebrate digest samples were incubated at 24°C, based the
optimum temperature of grey mullet (Mugil cephalus) (Nash and Koningsberger, 1981).
Polystyrene particles (180 mg) were weighed into pre-tared 20 mL glass
scintillation vials and 18.0 mL of either invertebrate-mimic gut fluid, vertebrate mimic
gut fluid or E-pure saltwater control (pH 7.0, 32 parts per thousand; Instant Ocean®)
were added. This solid: fluid ratio of 0.01 g/mL was chosen in order to maximize the
amount of plasticizers desorbed, as high solid: fluid ratios have been shown to underestimate the amount of desorbed compound, likely due to saturation of the hydrophobic
phase (Voparil and Mayer, 2000). It has been shown that plastics (polyethylene, PVC,
polypropylene) achieve rapid equilibrium (<24 hr) with hydrophobic chemicals (Bakir et
al., 2014; Teuten et al., 2007), accordingly, plastic samples were shaken at 100 rpm in a
rotary incubator in darkness for 24 hours and equilibrium was assumed. All plastic digest
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samples were prepared in triplicate, along with plastic-free controls under identical
conditions for each digestive mimic/saltwater control group.
Solid-phase extraction
Following the 16-hour incubation, the simulated digestion fluid containing
polystyrene particles was filtered through a 47mm, 0.20µm Nylon membrane (Waters
Corporation, Milford, MA, USA) using a vacuum filtration apparatus. Samples were then
extracted using solid phase extraction (SPE) based on standardized protocol (Pallante et
al., 1982). A 1-gram sorbent C18 solid phase extraction column (SepPak®Plus, Waters
Corporation) was pre-conditioned with 10 mL methanol followed by 10 mL E-pure
water, then the filtered simulated digestive fluid was loaded onto the column. The column
was then washed with 10 mL E-pure water and dried for 10 minutes under vacuum.
Samples were then eluted with 10 mL methanol. The flow rate was kept at ~1mL/min
throughout all steps. Extracts were further concentrated to 1 mL under a gentle stream of
N2 gas in a 40°C water bath. Care was taken to not evaporate samples to dryness to avoid
loss of volatile chemicals.
In vitro estrogen-reporter bioassay
Estrogen receptor (ER) activity was assessed using the LUMI-CELL™
(VM7Luc4E2) assay. VM7Luc4E2 cells were donated from Dr. Michael Denison
(University of California-Davis). Growth and maintenance were based on optimized
protocol (Rogers and Denison, 2000) and were cultured in RPMI-1640 (Mediatech Inc.,
Herndon, VA, USA) with 10% dialyzed fetal bovine serum (Fisher Scientific, Hampton,
NH, USA). In vitro receptor binding activity was based on standardized protocol (OECD,
2015). In order to reduce base-line activity, the cells were stripped of estrogen-like
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compounds for three days prior to seeding into 96-well assay plates. Estrogen-stripping
was accomplished by changing the media to Dulbecco’s Minimum Essential Medium
(Fisher Scientific) supplemented with 5% charcoal stripped fetal bovine serum (Fisher
Scientific) with daily media exchange. Cells were then removed from the culture flask
and seeded at a concentration of 2x104 cells/90µL in 96-well plates and incubated at
37°C. 24 hours later, 10 µL of digest mimic SPE extracts in DMEM were added at
several concentrations (0.5%, 0.25%, 0.1% and 0.05% in well) along with 17-betaestradiol (E2) standards and corresponding methanol control in triplicate. The plate was
then incubated for 24 hours before analysis. After lysing the cells for 5 minutes (lysis
buffer, Promega, Madison, WI, USA), the luciferase activity was measured in a
GloMax® Multi+ Detection System (Promega), with automatic injection of 50 µL of
luciferase enzyme reagent (Promega) to each well. The measured relative light units
(300-650 nm) were compared to the E2 standard curve following background activity
subtraction.
MTT Cytotoxicity
Prior to analyzing receptor-binding activity, cytotoxicity of extracts of digested
polystyrene samples were determined using the 3-( 4,5-dimethythiazol-2-yl)-2,5-diphenyl
tetrazolium bromide (MTT) assay (van de Loosdrecht et al., 1994). Detailed information
regarded the MTT assay may be found in the supplemental information. Each laboratory
replicate (N≥3) was tested for cytotoxicity at a minimum of three independent biological
replicates at multiple concentrations (1%, 0.5%, 0.25% in well) until the average
%survival relative to control was greater than 80%, at which point they were deemed
appropriate for receptor activity measurements.
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Data analysis
Estradiol equivalency (EEQ) calculations were made by interpolation based on a
four-factor non-linear regression using an E2 standard curve with 8-10 concentrations
ranging from 1.6x10-2 to 5.2x102 ng/L on each individual 96-well plate, as outlined by
OECD guidelines (OECD, 2015). The limit of detection (LOD) and limit of
quantification (LOQ) were defined as the mean plus three and ten times the standard
deviation, respectively of the vehicle control(MacDougall et al., 1980). EEQ values
below the LOQ were calculated as 1/2 LOQ. The EC50 of the positive control E2 was 23
pM. The LOD was 2.2 pM and the LOQ was 4.8 pM, all of which are within the
acceptable range as determined by OECD guidelines (OECD, 2015). All calibration
curves had R2>0.95. Each laboratory replicate was analyzed at four concentrations
(0.5%,0.25%, 0.1%, 0.05% in well). Each EEQ value was divided by its concentration in
well, its SPE concentration factor (20x), and the amount of polystyrene in each sample
vial (180 mg) in order to obtain the EEQ in ng/g. Biological replicates of each laboratory
replicate were averaged. In some cases, laboratory replicates yielded values below the
LOQ at 0.5% in well but had measurable estrogenicity at lower concentrations. In these
cases, it was assumed that cytotoxicity was occurring at the higher concentration and
these ½ LOQ values were removed from the average.
Chemical Analysis
Eleven of the most estrogenic and common plasticizer plasticizers were targeted
(ICCVAM, 2011; Petrovic et al., 2004; Ter Veld et al., 2006). These included di-n-octyl
phthalate (DOP), tris(1,3-dichloro-2-propyl) phosphate (TDCIPP), triphenyl phosphate
(TpHP), benzyl butyl phthalate (BBP), dibutyl phthalate (DBP), bisphenol-S (BPS),
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diethyl phthalate (DEP), di-(2-methoxyethyl)-phthalate (DMP), Diethylhexyl phthalate
(DEHP), bisphenol A (BPA), 4-n-nonylphenol (NP), 2,4-di-tert-butylphenol (2,4-DtBP)
and 4-tert-octylphenol (OP). Plasticizer content was analyzed using a Waters© Acquity
ultra-performance liquid chromatography with electro-spray ionization (UPLC-MS/MS,
ESI) equipped with a 50 x 2.1 mm Waters BEH C18 column (1.7 µm particle size) and
tandem mass spectrometers (Milford, MA). UPLC-MS/MS parameters, including
multiple-reaction monitoring transitions, collision energy, dwell time, cone voltage,
ionization mode, LOD and LOQ may be found in Table 3.S1.
Chemical estimates of estradiol equivalency (EEQ) calculations for digest mimic
were made by the sum of the product of each chemical’s concentration by its known
estradiol equivalency factor (EEF) (relative to E2) based on the methods described in
(Berg et al., 2008; Körner et al., 1999). EEF values are summarized in Table 3.S2. For
chemicals below the LOQ, 1/2LOQ values were substituted for calculation of chemical
EEQ. This method of substitution has been demonstrated to be equal to or even
outperform more complicated methods of handling censored data sets with very small
sample sizes (n<10) (Clarke, 1998), and, moreover, is recommended by the USEPA as a
conservative method for estimated toxic equivalency values from chemicals (USEPA,
2011).
Statistical Analysis
Statistical analyses of chemical and bioassay-related data were performed using
Prism 6 (GraphPad©, San Diego, CA, USA). Data was tested for homogeneity of
variance and normality. All data analyzed passed normality and homogeneity of variance
testing, and were analyzed using parametric tests. Data were analyzed using one or two146

way ANOVA with Tukey’s Honest Significant Difference test (HSD) or Dunnett’s posthoc tests as well as Pearson correlations. Differences were considered significant at the
a=0.05 level. Standard deviations of solubility enhancement ratio (aqueous concentration
of compound in digestion conditions divided by aqueous concentration in saltwater
control) were calculated using the standard propagation of uncertainty equation defined
for f=A/B (Lee and Forthofer, 2006). For chemical analyses, values that were below the
LOQ were substituted with ½LOQ (Clarke, 1998). Details regarding the estimation of
particle surface area are described in the supplemental information.
Results
Saltwater control
Chemistry
4-tert-Octylphenol content was significantly higher in the 0.5-1.4mm size
(5.15±1.93 µg/g, p=0.02), 2.0-2.36mm (4.85±0.89 µg/g, p=0.04) and 2.83-3.36mm
(5.58±1.63 µg/g, p=0.01) relative to plastic-free control (0.085±0.0 µg/g). There was a
trend towards higher BPS content in 9.5 mm polystyrene size class (5.8±3.1 µg/g;
p=0.08) relative to plastic-free control (2.4±0.4 µg/g) (Table 3.1). Particle surface area
(SAtotal) was not significantly correlated (Pearson correlation) with DEHP (r=0.18,
p=0.67), 4-tert-octylphenol (r=0.50, p=0.21) nor BPS concentrations (r=0.38, p=0.35)
(Table 3.S6). Estrogen receptor estradiol equivalents (EEQs) revealed no significant size
effects in saltwater controls nor the 8 different size classes (F9,20=1.13, p=0.39) (Figure
3.2). Particle surface area (SAtotal) was significantly correlated with EEQ estimated from
chemical measurements (r=0.50, p=0.21) (Table 3.S6).
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Table 3.1. Measured Values Within Digests.

Mass-normalized desorption values of biological and chemical-based Estradiol
equivalency (EEQ) values are compared by size class within digestion methods, along
with DEHP, 4-tert-octylphenol and bisphenol S concentrations (N=3). Mean and standard
deviation (SD) are given. Within each digestive group’s EEQ or chemical concentration,
values are colored according to their relative magnitude, with higher values having a
darker shade. ND; non-detect.
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Biologically-based EEQ
Extracts from digested polystyrene from all size classes displayed >80-90%
survival in cells used for estrogen receptor activation at the highest concentration tested
(1% in well), and no significant differences in cytotoxicity were observed (F8,34=0.82,
p=0.59) (Figure 3.S1). There was a trend potentially relating size with EEQ determined
from receptor activation in saltwater controls and the 8 different size classes as analyzed
by ANOVA (F9,20=2.04, p=0.089) (Figure 3.2). Particle surface area (SAtotal) was
significantly correlated with biological EEQ values (r=0.92, p=0.001) (Table 3.S6). Posthoc comparisons using Dunnett’s multiple comparison test indicated that the mean EEQ
of the smallest size class test (0.5-1.4 mm) (EEQ=14.97±11.14 ng/g; mean + SD) was
significantly different (p=0.004) than plastic-free control (1.57±0.13 ng/g) (Figure 3.2).
EEQ derived from biological and chemical measurements were significantly positively
correlated (r=0.88, p=0.0007) (Table 3.S4).
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Figure 3.1. Concentrations of DEHP and 4-t-OP in PS extracts. Boxplots of 4-tertoctlyphenol (top) and DEHP concentration (bottom) in (I,III) invertebrate simulated
digest and (II,IV) vertebrate simulated digest of polystyrene. Significant differences
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Invertebrate Digestion; Na Taurocholate
Chemistry
DEHP was significantly desorbed from polystyrene particles relative to plasticfree saltwater controls (F6,14=5.51, p=0.002) (Figure 3.1). Dunnett’s multiple comparison
test revealed significant (p=0.003) desorption of DEHP (101.7 ±44.9 µg/g) relative to
plastic-free control (24.6±8.5 µg/g) in the 0.5-1.4 mm size class. Particle surface area
(SAtotal) was not significantly correlated with DEHP (r=0.73, p=0.10) nor 4-tertoctylphenol concentrations (r=-0.50, p=0.31)) (Table 3.S6).
Two-way ANOVA revealed that polystyrene digested under invertebrate
conditions released significantly higher quantities of DEHP relative to polystyrene
maintained in controlled saltwater conditions (F1,28=67.08, p<0.0001) (Figure 3.1).
Normalized by size class, DEHP concentrations were enhanced relative to saltwater
control by a factor of 6.26 ±1.98 (Table 3.3.2). Size class was also a significant factor in
the release of DEHP (F6,28=6.13, p=0.0003). 4-tert-Octylphenol concentrations were
significantly lower in the invertebrate digest conditions than in saltwater control
conditions (F1,28=44.73, p<0.0001).
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Table 3.3.2. Ratios of measured values of digests relative to saltwater control

Ratio of aqueous concentration relative to saltwater control for average values of
vitro-determined and chemical-based Estradiol equivalency (EEQ) values are compared
by size class within digestion methods, along with DEHP, 4-tert-octylphenol and
bisphenol S concentrations (N=3). Mean and standard deviation (SD) for solubility
enhancement ratios are given. A maximum possible solubility ratio was calculated for
values below detection limit. Within each digestive group’s EEQ or chemical
concentration, values are colored according to their relative magnitude, with higher
values having a darker shade.
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Two-way ANOVA revealed that polystyrene digested under invertebrate
conditions released significantly higher quantities of DEHP relative to vertebrate
digestion conditions (F1,20=39.24, p<0.0001). Tukey’s HSD revealed significant
differences between the smallest size classes (0.5-1.4mm; p<0.0001 and 1.4-2.0mm;
p=0.006).
There was a significant effect of size on chemistry-based EEQ in the extract from
the invertebrate digestion mimic (F6,14=6.45, p=0.002) (Figure 3.2). Post-hoc
comparisons using Dunnett’s multiple comparisons test indicated that the mean EEQ of
the smallest size class (0.5-1.4 mm) (EEQ=1.80±0.78 ng/g; mean ± SD, p=0.0006), 1.42.0 mm size class (1.04±0.23 ng/g, p=0.049) and 2.38-2.83 (0.53±0.15 ng/g, p=0.03)
were significantly higher than plastic-free control (0.12±0.0 ng/g). Post-hoc comparisons
using Tukey’s HSD test indicated that the mean EEQ of the smallest size class test (0.51.4 mm) was significantly different than the 2.0-2.38 mm size class (1.04± 0.23 ng/g,
p=0.027) and the 2.83-3.36 mm size class (0.33± 0.37 ng/g, p=0.010).
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Figure 3.2. Chemical and biological EEQs of PS extracts. Boxplots of desorbed
concentrations (ng/g) of chemical EEQ (top) and biological EEQ (bottom) in (I,III)
invertebrate simulated digest and (II,IV) vertebrate simulated digest of polystyrene.
Significant differences between sizes within the invertebrate gut digest are denoted with
letters (α=0.05, Tukey's post-hoc). In each boxplot the horizontal line represents the
median and the whiskers represent the largest and smallest values (N=3).
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A two-way ANOVA comparing extracts of the invertebrate digest with the
saltwater control yielded a significant difference, (F1,28=60.97, p<0.0001), such that the
average chemistry-based EEQ was higher for the saltwater control (EEQ= 4.1± 1.7 ng/g;
mean± SD for 6 size classes) than for invertebrate digest conditions (EEQ= 1.13 ±0.54
ng/g) (Figure 3.2, Table). Comparisons of size indicated a significant interaction within
the invertebrate digest, (F6,28=5.67, p=0.0006). No significant correlation between surface
area (SAtotal) and chemical EEQ was observed (r=0.72, p=0.11) (Table 3.S6).
Biologically-based EEQs
Exposure of cells to 1% of the invertebrate digestion mimic polystyrene extracts
from all size classes averaged <80% cell survival with the exception of the smallest size
class tested (0.5-1.4 mm), which averaged 86 ±3% (mean± SD) survival (Figure 3.S1).
All extracts of Na Taurocholate-digested polystyrene averaged >80% survival at 0.5% in
well. Following treatment of cells with 1% of the invertebrate polystyrene digestion
extract, a significant difference in cytotoxicity was observed with saltwater control
polystyrene digests being less cytotoxic (F1,29=22.98, p<0.0001) (Figure 3.S1). Sidak’s
multiple comparison test revealed significant differences in cytotoxicity observed
between the saltwater control digest (97± 4% survival, mean ±SD) and invertebrate
mimic digest (68± 5% survival, mean ±SD) in the 2.38-2.83 mm size class (p=0.008).
Invertebrate digestion mimic did not significantly enhance biologically-based
EEQ relative saltwater control (F1,28=0.28, p=0.60). However, a significant effect of size
on biologically-based EEQ was observed in extracts of invertebrate digests for the
plastic-free and 5 different size classes (F6,14=4.04, p=0.015) (Figure 3.2). Post-hoc
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comparisons using Dunnett’s multiple comparisons test indicated that the mean EEQ of
the smallest size class test (0.5-1.4 mm) (biological EEQ=19.89±13.27 ng/g; mean ± SD)
was significantly different (p=0.006) than plastic-free control (1.68±0.05 ng/g). Tukey’s
HSD test indicated that the mean EEQ of the smallest size class (0.5-1.4 mm) was
significantly different (p=0.037) than the largest size class tested in the invertebrate
mimic; 3.36-4.75 mm (2.51±2.72 ng/g) and indicated a trend of difference in the 2.382.83 mm (3.46±2.67 ng/g; p=0.051) and 2.83-3.36 mm (3.73±2.23 ng/g; p=0.056) size
treatments. Surface area of particle (SAtotal) was significantly positively correlated with
biological EEQ (r=0.99, p=0.0003) (Table 3.S6). significant correlations were observed
between chemical and biologically-based EEQ values within the invertebrate digestion
mimic group (Table 3.S3, Figure 3.S2) (r=0.76, p=0.046).
Vertebrate Digestion: Pepsin
Chemistry
Of the compounds measured, DEHP was the only compound that was
significantly desorbed relative to the plastic-free control in the vertebrate digestion
conditions (F6,14=3.74, p=0.02) (Figure 3.1). Post-hoc comparisons using Dunnett’s
multiple comparisons test indicated that the mean DEHP content of the 3.36-4.75 mm
group (21.3±14.1 µg/g; mean + SD, p=0.005) was significantly different than plastic-free
control (5.8±2.1 µg/g) (Figure 3.1).
DEHP and BPS concentrations were not significantly desorbed in vertebrate
conditions relative to saltwater control; however, size was a significant factor for the
desorption of DEHP in 2-way ANOVA (F6,28=3.06, p=0.02) (Table 3.1). Particle surface

156

area (SAtotal) was significantly correlated with DEHP concentration (r=0.89, p=0.019)
(Table 3.S6). 4-tert-Octylphenol concentrations were significantly lower in the vertebrate
digest relative to saltwater control (F6,28=10.30, p=0.003); however, concentrations were
not significantly correlated with particle surface area (SAtotal) (r=0.42, p=0.41) (Table
3.S6).
Within the vertebrate digestion conditions, polystyrene did not desorb
significantly higher concentrations of 4-tert-octylphenol relative to plastic-free control.
There were no differences in the desorption of 4-tert-octylphenol between vertebrate
invertebrate gut conditions. 4-tert-octlyphenol was detected in 39% of the vertebrate
digest samples, while it was only detected in 11% of the invertebrate digest samples (and
78% of saltwater control digest samples).
Size class was a significant factor in the chemistry-based EEQ of extracts from
the vertebrate digest for extracts from plastic-free and 6 different size classes (F6,14=3.87,
p=0.017). Dunnett’s multiple comparison revealed significantly higher (p=0.008)
chemistry based EEQ in the 3.36-4.75 mm size group (0.40±2.5 ng/g, mean ±SD) relative
to plastic-free control (0.10±0.04 ng/g) (Figure 3.2). No significant effects of size
(F6,14=2.37, p=0.09) nor vertebrate digestion conditions (F6,14=1.86, p=0.19) on
chemistry-based EEQ in vertebrate-mimic polystyrene digests for the plastic-free and 6
different size classes were observed when comparing with saltwater control conditions.
Chemical EEQ was not significantly correlated with particle surface area (SAtotal) (Table
3.S3, Figure 3.S2) (r=0.55, p=0.26) (Table 3.S6).

157

Biologically-based EEQ
When cells were treated with 1% of the extracts from all polystyrene size classes,
average survival was >80%, with the exception of 0.5-1.4 mm and 1.4-2mm which
averaged 77±17% and 65.5 ±9% survival (mean±SD), respectively (Figure 3.S1). All
extracts of vertebrate-digested polystyrene averaged >80% survival when using 0.5%
extract exposures. Size class was not a significant factor in predicting cytotoxicity at 1%
and 0.5% of extract in well (F5,21=1.3, p=0.31; two-way ANOVA). When cells were
treated with 1% of extracts of vertebrate-digested polystyrene no significant differences
in cytotoxicity were observed compared to extracts of the saltwater control (F1,34=3.7,
p=0.06; two-way ANOVA).
Digestion conditions were not a significant factor for biologically-based EEQ
when comparing vertebrate digestion with saltwater conditions (F1,28=0.55, p=0.47).
Dunnett’s multiple comparison test showed a trend (p=0.07) towards higher EEQ levels
in the 0.5-1.4 mm size class (11.28±11.4 ng/g, mean ±SD) relative to plastic-free control
(EEQ=1.7±0.06 ng/g, mean ±SD) (Figure 3.2). Particle surface area (SAtotal) was
significantly correlated with biological EEQ (r=0.93, p=0.0069) (Table 3.S6). Chemical
and biologically-based EEQ values were not significantly correlated with one another
(Table 3.S3, Figure 3.S2) (r=-0.30, p=0.47) (Table 3.S4).
Discussion
Mimicking Gut Digestion
The bioavailability of contaminated food during gut passage has been shown to be
estimated using treatment of extracts with synthesized digestive fluids at physiological
conditions (Mayer et al., 1996). For hydrophobic compounds, solubilization in the gut by
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surfactants and proteins is hypothesized to be a rate-limiting step determining uptake into
the cell lining (Mayer et al., 2001). The use of gut fluid mimics in estimating
bioavailability is advantageous to conventional techniques that rely on the use of live
animals. First, laboratory bioavailability studies allow for better reproducibility and finer
modulation of factors (salinity, temperature, gut residence time). Second, the limited
quantity of gut fluid available from most animals as well as the invasive nature of the
extraction limits the number of samples that may be analyzed.
The naturally-occurring bile salt, sodium taurocholate, has been validated as an
accurate mimic of the gut conditions of the marine polychaete, A. marina (Voparil and
Mayer, 2004). Incubation of polyethylene (PE) and polyvinylchloride (PVC) particles
contaminated with persistent organic pollutants, including polycyclic aromatic
hydrocarbons (PAHs), dichlorodiphenyltrichloroethane (DDT), perfluorooctanoic acid
and DEHP in sodium taurocholate at 18°C revealed up to 30 times greater desorption
under digestive conditions compared to seawater alone (Bakir et al., 2014).
Pepsin is a general type of gastric protease common in vertebrates that is active
under acidic conditions and acts by hydrolyzing ingested proteins at peptide bonds
(Fruton, 1971). Due to its predominant role in the digestion of food, it is used in
aquaculture as a method for examining the digestible or bioavailable fraction of
chemicals from food for fish (Anderson et al., 1993; Satterlee et al., 1979; Turner, 2000).
It has also been used to estimate the bioaccessibility of contaminants in fish (Cabañero et
al., 2004) and birds (Tanaka et al., 2015). As such, pepsin is a suitable surfactant in the
model of gut conditions of a range of vertebrate species that may ingest plastic, including
fish (Bergmann et al., 2015) and seabirds (Kühn et al., 2015).
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Certain limitations of the experimental design should also be considered when
interpreting results from gut digestion studies in the laboratory. For instance, plastic was
“digested” alone, i.e. without the presence of sediment or food, and, therefore, may
overestimate the solubilization of hydrophobic compounds due to the lack of competitive
interaction of micelles with sediment or food-associated organic matter and the sorption
of compounds to sediment or food. Additionally, the digestion mimic technique used may
overestimate chemical release since contents were continuously stirred with subsequent
removal as a “batch reactor” (Penry and Jumars, 1987). Consequently, in species such as
the grey mullet (Mugil cephalus), which digests food in a flow-through mode, reactants
and products continuously enter and exit the system, and therefore are less likely reach to
equilibrium than in a “batch reactor” system (Horn and Messer, 1992; Penry and Jumars,
1987). Another limitation of this study is that only one plastic polymer type (polystyrene)
was used, with unknown starting conditions of plastic-additives; thus, conclusions drawn
regarding the effects of size and digestion technique on the desorption of plasticassociated compounds was limited by the few chemicals found on the single plastic type
(DEHP, 4-tert-octylphenol, BPS). In addition, weathering of particles in the marine
environment may also alter the bioaccessibility and release of additives to biota and
seawater through salinity, oxidation, heat, UV degradation, chemical and physical
changes in the plastic (Coffin et al., 2018; Yang et al., 2011). While the current estimates
of chemical release from plastics are useful for comparisons of size or type of plastic,
additional studies are clearly needed to reduce uncertainties for potential parameterization
in more sophisticated models that predict bioavailability in aquatic organisms.
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Invertebrate Digestion
Relative to saltwater control exposure conditions with polystyrene, the
invertebrate digestion conditions desorbed significantly higher quantities of DEHP. This
finding is similar to the measured increase in solubility of DEHP from 200-250 µm PVC
and PE particles in invertebrate gut conditions relative to saltwater (Bakir et al., 2014).
While DEHP concentrations were significantly increased, 4-tert-octylphenol
concentrations were significantly decreased, which likely explains the non-significant
differences in biologically-based estrogenic activity.
The extent to which endocrine-disruptors, and in particular estrogen-mimicking
compounds effect marine polychaete species is not well understood. Estrogen receptors
have been isolated and characterized for several members of the annelid phylum,
including two marine polychaete species (Platynereis dumerili and Nereis virens)
(GarcÍa-alonso and Rebscher, 2005; Keay and Thornton, 2009). The role and function of
the estrogen receptor in these invertebrates is remarkably similar to that of vertebrates, as
evidenced by 17-beta-estradiol’s regulation of vitellogenin production in the polychaete
Nereis virens (J et al., 2006) and control over sexual differentiation (García-Alonso et al.,
2011). Additionally, the ligand-binding domain for annelid estrogen receptors are highly
conserved with human Estrogen Receptor α, and respond with similar sensitivity to
xenoestrogens, including common plasticizers such as BPA and 4-tert-octylphenol (Keay
and Thornton, 2009). Based on this limited evidence, we can conservatively assume that
the human estrogen receptor-based EEQ’s derived in our study can be applied to
estrogen-sensitive polychaete species such as Nereis virens and Platynereis dumerilii.
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To date, no study has examined the estrogen-receptor mediated endocrinedisrupting effects of ingested plastics in invertebrate species. Most studies have revealed
that invertebrates have a relatively low sensitivity to endocrine-disrupting plasticassociated compounds when tested using survival, population count and/or biomass
endpoints (Call et al., 2001; Schmitt et al., 2008). While not confirmed to be dependent
on an estrogen-receptor adverse outcome pathway, several studies report annelids having
significantly higher sensitivity (nM to µM) to plastic-associated compounds for sublethal
endpoints. For example, BPA and BPS retarded growth, movement and reproduction of
the freshwater annelid worm L. variegatus (Vought and Wang, 2018). Another study
found that BPA induced metamorphosis and settlement in larval marine polychaete
(Capitella capitata) following a 1 hour exposure at 50 nM (Biggers and Laufer, 2004). A
study in which the marine polychaete A. marina was exposed to polluted sediments, it
was found that body weight decreased in polychaete exposed to sediment that was found
to have significant in vitro estrogenic activity (Macrae et al., 2012). While the authors
suggest that the decrease in weight was likely due to sediment characteristics such as
grain size or organic content, the effect of environmental estrogens cannot be ruled out
(Macrae et al., 2012). The importance of filling the knowledge gap of the effects of
xenoestrogens on polychaeta has been stressed by the United States Environmental
Protection Agency (Ankley et al., 2016). Given the ecological significance of sedimentdwelling marine organisms, their likelihood to ingest plastic at relatively high quantities
(up to 3% in sediment) (Dubaish and Liebezeit, 2013), and in particular, small particles
(0.5-1.4 mm) (Besseling et al., 2013), as well as the results from our digestion mimic,
which suggest a likelihood for the transfer of DEHP from ingested plastic in polychaete
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gut conditions, further research on endocrine-disrupting effects due to plastic ingestion on
marine polychaetes is critically necessary.
Vertebrate Digestion
Unlike invertebrate gut conditions and saltwater control conditions, particle
surface area was significantly correlated with DEHP concentration in vertebrate gut
conditions, meaning that for fish that ingest plastic, polymer diffusion due to size is likely
to be the rate-limiting step in the desorption of DEHP from polystyrene. However, unlike
invertebrate gut conditions, vertebrate gut conditions did not significantly enhance
desorption of DEHP from polystyrene relative to polystyrene in saltwater control
conditions. Thus, there was a lower predicted risk for DEHP transfer to vertebrates from
polystyrene particles (0.5-9.5 mm) compared to invertebrates. In contrast, Bakir et al.
(2014) found significantly higher rates for DEHP release from both PVC and PE in
vertebrate gut mimic conditions (15.5 mM sodium taurocholate, 38° C, pH 4) relative to
invertebrate gut mimic conditions (15.5 mM sodium taurocholate, 18° C, pH 7.5-8.4).
However, several differences in gut condition models make a true comparison between
studies difficult. For example, while Bakir et al. (2014) used the same concentration of
surfactant (sodium taurocholate, 15.5 mM), salinity and temperature as we did in our
study, they did not add organic matter (BSA),which is considered to be a crucial
component for an accurate biomimetic model (Voparil and Mayer, 2004). Additionally,
the authors assumed that vertebrate gut conditions have a similar composition of gut
surfactants as polychaetes, and therefore sodium taurocholate (15.5 mM) was used (Bakir
et al., 2014) instead of the more accurate gut surfactant (pepsin) for marine vertebrate
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species at physiological pH (2.0) (Helrich, 1990; Olsen et al., 2002; Vonk and Western,
1984).
Despite the understanding that several plastic-associated compounds cause
endocrine disruption in fish (Gronen et al., 1999; Kim et al., 2002; Sohoni et al., 2001)
and at least 41 species of fish are known to ingest plastic (Secretariat of the Convention
on Biological Diversity, 2012), few studies have determined if plastic can cause
endocrine disruption in fish that ingest plastic (Rochman et al., 2014). A biodynamic
model predicted that plastic would be a negligible pathway for the transfer of adsorbed
plastic-associated compounds to fish (Koelmans et al. 2013). However, release of
constitutive chemicals from plastic under species-specific gut conditions was not
considered. Koelmans et al (2013) determined that the rate-limiting step for the diffusion
of hydrophobic compounds from polystyrene particles of diameter 100nm to 1.3 mm is
most likely due to polymer diffusion, which is dependent on particle radius and polymer
diffusivity; as determined by Fick’s Law. An alternative rate-limiting step may be due to
a boundary layer resistance mechanism, which is dependent on the presence of digestive
surfactants and dissolved organic matter (Ahrens et al., 2001; Koelmans et al., 2013;
Voparil and Mayer, 2004). Based on observed relationships between chemicals, particle
size and gut mimic conditions, we conclude that desorption characteristics are likely
chemical and condition-dependent and cannot solely be predicted by Fick’s Law or a
theory that predicts boundary layer diffusion. For instance, particle surface area was
significantly correlated with DEHP concentration in vertebrate digest conditions, but no
other significant relationship was observed with other measured chemicals in invertebrate
or saltwater digestion conditions, suggesting that Fick’s Law may govern the release of
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DEHP under vertebrate gut conditions, but not under invertebrate gut conditions.
Conversely, significantly higher concentrations of DEHP were measured in invertebrate
digestion conditions than in saltwater and vertebrate gut conditions. However, 4-tertoctylphenol and BPS were not significantly different between gut conditions, suggesting
that a boundary layer resistance mechanism may be the rate-limiting step for DEHP
under invertebrate gut conditions and that specific surfactants have chemical-specific
desorption effects. The mechanism for chemical-specific release is unclear and deserves
additional study.
The significant correlations between biological and chemical EEQ values for
saltwater control and invertebrate gut conditions would suggest that some of the
estrogenic biological activity may be adequately explained by the measured chemicals.
However, highly significant correlations between particle surface area and biological
EEQ were observed for all three test conditions (saltwater control, invertebrate and
vertebrate gut mimics) but significant correlations were not observed between chemical
EEQ and particle surface area. In addition, chemical EEQs consistently underestimated
biological EEQs by up to 3-fold. Following, it is likely that the majority of responsible
estrogen receptor ligands were not measured via targeted chemical analyses. This
discrepancy in the relationship between chemical and biological EEQs suggests
additional effect-directed analyses coupled with non-target chemical analyses with gut
mimic extracts may be needed to identify unknown ER ligands. Similar studies were used
to identify causative estrogenic agents in wastewater (Desbrow et al., 1998).
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Conclusions
To date, this is the first study to measure cell-based estrogen receptor activity of
extracts from multiple sizes of polystyrene particles using a biomimetic digestion
technique. Coupled with targeted chemical analysis of 12 of the most estrogenic
plasticizers, the effectiveness of a chemical-based approach in estimating bioaccessibility
of estrogenic compounds was examined. While chemical estimates of estrogenicity were
significantly correlated with receptor-based activity for invertebrate and saltwater control
conditions, no significant correlation was found for the vertebrate digestion group.
Additionally, all three digestion conditions showed a significant correlation between
particle surface area and receptor-based estrogenicity, but chemical estimates of
estrogenicity were not significantly correlated with particle surface area, suggesting that
other non-targeted compounds may be responsible for the observed biological
estrogenicity. Neither vertebrate nor invertebrate gut conditions significantly enhanced
receptor-based estrogenic activity; however, DEHP concentrations were significantly
higher in invertebrate gut conditions than in saltwater conditions. Based on these results,
future studies aimed at determining the transfer of endocrine-disrupting compounds to
biota that ingest plastic should focus on small particle sizes (<2mm) and utilize
biological-based endpoints (in vitro or in vivo) partnered with analytical chemistry to
determine causative agents.
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Supplemental Information
UPLC Analysis
Plasticizer analysis was done using a Waters© Acquity ultra-performance liquid
chromatography tandem mass-spectrometry with electro-spray ionization (UPLCMS/MS, ESI) equipped with a 50 x 2.1 mm Waters BEH C18 column (1.7 µm particle
size) and tandem mass spectrometers (Milford, MA). All R2 values of standard linear
regression curves of compounds measured using the UPLC were >0.98. Mass
spectrometer settings for each compound may be found in Table 3.S1. All compounds
were quantified using multiple reaction monitoring (MRM) and confirmed using a
secondary MRM mother-daughter pair (if possible). Exceptions include DOP and DEHP,
which did not produce daughter ions that were able to be quantified, in which case
retention time (±0.02 seconds) matched to selected ion recording (SIR) m/z were used to
integrate peak area. DOP and DEHP shared the same SIR parameters and were separated
by retention time (peaks were fully separated by 10 seconds).
All samples were analyzed twice- once in positive ESI mode, and again in
negative ESI mode. For ESI positive mode, the mobile phases were water (E-pure) and
methanol (Optima grade; Fisher, Hampton, NH) and the flow rate was 0.4 ml/min. The
gradient started with 60% water and 40% methanol, and starting at 0.5 minutes, the
%methanol increased linearly to 99% until 3 minutes, at which point it was held until 6
minutes, then decreased back to 60% linearly until 6.5 minutes. The column was then reequilibrated for 1 minute (total run time 7.5 minutes). The column temperature was set to
40°C. Capillary voltage was set to 2.70 kV, source temperature was 150°C, desolvation
temperature was 350°C and desolvation gas flow was 650 L/Hr.
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For negative mode, the mobile phases were water (E-pure) with 10 mM
ammonium acetate (Optima grade; Fisher, Hampton, NH) and the flow rate was 0.4
ml/min. The gradient started with 60% water and 40% methanol, and starting at 0.5
minutes, the %methanol increased linearly to 99% until 2 minutes, at which point it was
held until 4 minutes, then decreased back to 60% linearly until 4.5 minutes. The column
was then re-equilibrated for 2 minutes. The column temperature was set to 40°C.
Capillary voltage was set to 3.00 kV, source temperature was 150°C, desolvation
temperature was 500°C and desolvation gas flow was 1,000 L/Hr.
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Table 3.S1. Multiple Reaction Monitoring Parameters for UPLC-MS/MS
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CAS #

Abbrev.

Transition 1

131-11-3
84-66-2
80-09-1
84-74-2
85-68-7
115-86-6
13674-87-8
117-84-0
118-81-7
80:05-7
104-40-5
96-76-4
140-66-9

DMP
DEP
BPS
DBP
BBP
TPHP
TDCIPP
DOP
DEHP
BPA
NP
2,4-d-t-BP
OP

195.03> 77.04
223.03>93.03
251.06>93.03
279.15>149.01
313.15>91.01
327.05>77.03
430.87>98.96
391.29>149.06
391.29>149.06
227.17>133.09
219.21>106.03
205.0>149.0
205.15>133.0

T1 CE
(V)
30
32
24
14
14
42
28
16
16
22
20
26
24

Transition 2
195.03>163.06
223.03>149.00
251.06>157.00
279.15>205.06
313.15>205.06
327.05>152.05
430.87>208.97
N/A
N/A
227.17>212.11
N/A
205.0>189.0
N/A

T2 CE
(V)

dwell Cone
(s) (V)

10 0.05
14 0.02
24 0.05
6 0.02
6 0.02
40 0.02
16 0.02
N/A 0.23
N/A 0.23
18 0.03
N/A 0.03
24 0.012
N/A 0.012

14
16
36
20
16
52
26
22
22
50
46
40
40

ESI
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(-)
(-)
(-)
(-)

Analytical-based estradiol equivalency calculations
When possible, estradiol equivalency factors (EEF) were based on values derived
using the cell line used to analyze plastic leachates (Vm7Luc4E2). When not possible,
mean values from all cell lines used to analyze these compounds in the literature were
used (Akahori, 2008; ICCVAM, 2011; Knepper and Barcelò, 2003; Murk et al., 2002;
Rochester and Bolden, 2015). EEF values are listed in Table 3.S2 for compounds
measured using UPLC-MS/MS. EEF values are the molar ratio of the EC50 of the
compound divided by the EC50 of 17-beta-estradiol and as such are unitless.
Table 3.S2. Estradiol equivalency factors for plasticizers
Compound

Abbrev.

EEF

Source

17-beta-estradiol
Diethylhexyl phthalate
Butyl Benzyl Phthalate
Di-n-butyl Phthalate
Bisphenol S
Diethyl Phthalate
Dimethyl Phthalate
Di-n-octyl Phthalate
Bisphenol A
4-n-Nonylphenol
4-tert-Octylphenol
2-4-di-tert-Butylphenol

E2
DEHP
BBP
DBP
BPS
DEP
DMP
DOP
BPA
NP
OP
2,4-d-t-BP

1
2.50E-05
1.40E-06
1.80E-08
9.20E-06
3.20E-08
1.10E-05
N/A
1.06E-05
2.30E-05
1.75E-04
1.60E-05

ICCVAM (2011)
Murk (2002)
Knepper (2003)
ICCVAM (2011)
Rochester and Bolden (2015)
Knepper (2003)
Murk (2002)
Knepper (2003)
ICCVAM (2011)
Knepper (2003)
ICCVAM (2011)
Akahori (2008)
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MTT Cytotoxicity
The colorimetric assay measures the ability of cells to reduce MTT into formazan
by mitochondrial succinate dehydrogenase (van de Loosdrecht et al., 1994). The main
objective of the MTT assay is to optimize the concentration of SPE samples so that cells
were consistent and healthy to accurately report ligand binding activity.
Cultured attached cells were collected and plated at a density of 2×104 cells/100ul
in each well of 96-well plates using DMEM with 10% FBS serum (ER cells) or
OptiMEM with 10% FBS (AhR Cells). After 24 hours, the cells were treated with either
vehicle, various concentrations of the leachate solid phase extract concentrates or a 10%
DMSO positive control. Sixteen hours later, the original solution was removed from each
well and replaced with 50 ul of diphenyltetrazolium bromide (MTT, 5mg/ml in PBS,
Sigma–Aldrich, St. Louis, MO, USA) and continuously incubated at 37◦C for 4 hours.
The MTT solutions were then replaced with 200 ul of a 1:1 mixture of dimethyl
sulfoxide:ethanol and shaken for 10min to solubilize the MTT crystals. Absorbance was
measured using an automatic microplate reader (SpectraMax+ 384, Molecular Devices,
San Jose, CA) at 595 and 650 nm. The ratio of 595/650 nm was then used to compare
survival relative to the solvent carrier control wells in each plate, with normalization to
cell-free wells.
The following equation was used to calculated %live from the MTT assay:
. Each sample was
normalized to 9 replicate wells of methanol control within each respective plate to
minimize inter-plate variability. Concentrations demonstrating low cytotoxicity (i.e.
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>80% healthy relative to MeOH control) were deemed suitable for the ligand binding
reporter assay. Statistical differences between treatments (a<0.05) were determined using
analysis of variance (ANOVA). Prior to performing ANOVA, the experimental data were
checked for homogeneity of variance using Bartlett’s test. Tukey’s honest significant
difference test was performed to assess differences between treatments.
Cytotoxicity results (% survival relative to control) comparing vertebrate and
invertebrate digests of polystyrene with saltwater control are displayed in Figure 3.S1.
Figure 3.S1 displays results for extracts at 1% in solution (i.e. 5x dilution factor relative
to original concentration of polystyrene in gut solution- 0.01 g/mL or 10 g/L), which was
the highest concentration tested due to the significant cytotoxicity of methanol at
concentrations higher than 1% in solution (data now shown).

Figure 3.S1. Plastic digest cytotoxicities. Cytotoxicity (1% in well) of extracts of
polychaete (A) and vertebrate (B) simulated digests (black) of polystyrene are compared
with saltwater control (gray). Significant differences between simulated polychaete gut
conditions and saltwater control are denoted with asterisks (**p<0.01; two-way ANOVA,
Sidak's post-hoc).
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Correlation of biological and chemical-based EEQ values
Normality of analytical and biological TEQ and EEQ data were tested
using the Shapiro-Wilk’s test for normality. All data passed the normality test, so the
two-tailed parametric-based Pearson correlation coefficient test was used (Prism 6).
These results are listed in Table 3.S4 and displayed graphically in Figure 3.S2.
Table 3.S3. Correlations between biological and chemical EEQ values
Digest
Conditions
Pearson r
R2
P

Saltwater
Control
Invertebrate
0.88
0.76
Pearson R Correlations
0.78
0.58
***0.0007
*0.046
Vertebrate Digest

Invertebrate Digest
15

in vitro EEQ (ng/g)

in vitro EEQ (ng/g)

20
r= -0.29
p=0.47

15

Vertebrate
-0.30
0.09
0.47

10
5

r= 0.76
p= *0.046

10

5

0

0
0

1

2
3
4
Chemical EEQ (ng/g)

5

0

1
2
Chemical EEQ (ng/g)

3

Saltwater Control

in vitro EEQ (ng/g)

15

r= 0.88
p=***0.0007

10

5

0
0

2

4
6
8
Chemical EEQ (ng/g)

10

Figure 3.S2. Comparison of biological and chemical EEQs. Biological and chemical
EEQ estimates are compared within each digest condition. Pearson r correlations are
displayed along with linear regression and 95% CI (red). Data points represent mean and
SD for each PS size class tested.
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Surface area of polystyrene particles
Estimation of Surface Area of Polystyrene Particles
The effect of total surface area of polystyrene particles on the desorption
of chemicals was evaluated. The surface area of the particles was estimated based on the
known mass (m; g) of polystyrene in the solution (180 mg in 18 mL) and the polystyrene
density (D; g/L) of 36.5g x L-1 (Australian Urethane & Styrene, n.d.), from which the
total volume (Vtotal; L) of polystyrene was then estimated eq. S1.
(eq. S1)
Based on the sieve sizes of the plastic, the radius (r, mm) of the plastic particles
was estimated by averaging the diameter of the sieve size any dividing by 2 (r=1/2D).
The volume of a spherical particle may be estimated using the equation Vparticle=4/3pr3.
The number of particles (nparticle, number) was then estimated using eq. S2.
(eq. S2)
Finally, the total surface area (SAtotal, mm2) of all particles of polystyrene
in solution was calculated eq. S3 using the relationship of surface area to radius for a
sphere SAparticle=4pr2 and the estimated number of particles for a given radius.
(eq. S3)
The estimated surface areas of the polystyrene used in these experiments
may be found in the Table 3.S4. Correlation coefficients (Pearson r and R2) between
surface area and biological EEQ values and chemical concentrations of DEHP, 4-tertoctylphenol and BPS are listed in Table 3.S5. Note that BPS was not detected in any
polychaete or vertebrate digest samples, so no correlation matrix is listed.
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Table 3.S4: Surface Area of Particles Based on Radius (estimated from sieve
size)
Sieve Size (mm)
0.5-1.4
1.4-2
2.00-2.36
2.36-2.83
2.83-3.35
3.35-4.75
4.75-6.7
6.7-9.5

Surface area of particles in 18 mL
solution (mm^2) ((SAtotal)
1730.35
966.96
764.57
633.46
531.99
405.89
287.13
202.94

Pearson correlations between estimated surface area of particle and desorbed
chemical concentration and biological EEQ values are reported in Table 3.S5.
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Table 3.S5 Correlation between surface area and chemical concentrations
and biological EEQ
Digestion
Condition
Saltwater
Control

Correlation
Parameters
R2
Pearon r

4-t-OP

BPS

0.03

0.25

0.15

0.5

0.18

0.5

0.38

**0.001

0.21

0.67

0.21

0.35

R2

0.97

0.52

0.53

0.25

N/A

Pearon r

0.99

0.72

0.73

-0.5

N/A

***0.0003

0.11

0.1

0.31

N/A

R2

0.87

0.3

0.78

0.17

N/A

Pearon r

0.93

0.55

0.89

0.42

N/A

**0.007

0.26

*0.019

0.41

N/A

p-value
Vertebrate
Mimic

DEHP

0.92

p-value
Polychaete
Mimic

Biological Chemical
EEQ
EEQ
0.85
0.25

p-value
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Fourier Transform Infrared Spectroscopy
A sample of polystyrene particle was analyzed using Fourier-transform infrared
attenuated total reflection (FTIR-ATR) using a FTIR spectrometer (Bruker, Tensor 27)
with a deuterated triglycine sulfate (DTGS) detector and a horizontal reflection Ge
attenuated total reflection (GATR) accessory (Harrick Scientific, 65° incidence angle).
Spectra (Figure 3.S3) displays the average of 1024 scans taken at 4 cm-1 resolution. To
confirm suspected polymer type (polystyrene), spectra were compared with literature
spectra (Käppler et al., 2016).

Polystyrene

Attennuated Total Refelctance

0.02

ATR, air background

0.01

0
4000

3500

3000

2500

2000

Wavenumber / cm-1

Figure 3.S3. FTIR-ATR spectra of polystyrene particle.
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Chapter 4: Fish and Seabird Gut Conditions Enhance Desorption of
Estrogenic Chemicals from Commonly-Ingested Plastic Items
Abstract
Due to plastic’s ubiquitous nature and visual similarities to prey, over 100 bird
species and 40 fish species have been documented to ingest plastic. Once ingested, plastic
may release endocrine-disrupting plastic additives to the animal. However, the amounts
which are transferred are poorly characterized. We selected 16 plastic items that are
commonly ingested by marine animals, then “digested” them in fish and seabird
laboratory gut mimic models using the digestive enzyme pepsin at pH 2 and shook them
for 16 hours at either 28° C (in saltwater) for fish or 40° C (in freshwater) for seabirds.
Plastic-gut liquid was concentrated using solid-phase extraction then evaluated for
estrogen receptor activity using a luciferase-reporter in vitro cell line (Vm7luc4E2).
Plastic-additive concentrations were quantified using ultra-high-performance liquid
chromatography/tandem mass spectrometry, and estrogenicity was estimated based on
estradiol equivalency factors. Polymer types were confirmed using Fourier-transform
infrared spectroscopy. Both seabird (p<0.0001) and fish gut conditions (p<0.0001)
significantly enhanced the biological estrogenicity of expanded polystyrene, polyethylene
shopping bag and polypropylene string relative to their respective controls, resulting in
up to a 10.6-fold increase in estrogenicity. While there were no significant differences in
the biological estrogenicity elicited by seabird and fish gut conditions, chemicallyestimated estrogenicity was significantly higher in seabird gut conditions relative to fish
gut conditions. Out of 12 plastic additives analyzed, bisphenol A (BPA) (204±129%) and
diethylhexyl phthalate (DEHP) (175±97%) concentrations were significantly increased in
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seabird gut conditions relative to control and butylbenzyl phthalate (BBP) (132±68) was
significantly increased in fish gut conditions relative to control. The enhanced desorption
of BPA, DEHP and BBP did not adequately account for the increase in biological
estrogenicity, suggesting that uncharacterized plastic additives may have been enhanced
by seabird and fish gut conditions. These results demonstrate the need for further research
into the endocrine-disrupting effects of plastics once ingested.
Introduction
Due to plastic’s size, shape, and color, marine organisms often confuse it for prey
(Carson, 2013; Lavers and Bond, 2016). Given the ubiquitous nature of plastic, a wide
variety of marine organisms ingesting it, including zooplankton (Devriese et al., 2015),
bivalves (Sussarellu et al., 2016), worms (Graham and Thompson, 2009), fish (Boerger et
al., 2010) and marine mammals (Eriksson and Burton, 2003). Plastic-additives are
organic compounds that are added to plastic materials to alter structural properties (Li et
al., 2018). Many plastic additives are capable of causing harm to biota through disruption
of the endocrine system. For instance, phthalates such as DEHP have liver (Zhang et al.,
2018) and cerebellar toxicity (Du et al., 2017) at low-doses in quail (Coturnix japonica),
and bisphenols (BPA, BPS) have been shown to affect reproduction and neurobehavior in
zebrafish (Kinch et al., 2015; Laing et al., 2016). Due to the potential for estrogens to
cause population and even food-web level effects at relatively low levels of exposure
(Kidd et al., 2014), the ability for plastic to transfer estrogenic compounds to animals
from plastic deserves serious investigation.
Despite the ability for plastic additives to cause harm, most studies on the transfer of
chemicals from plastic to biota through ingestion have focused on adsorbed hydrophobic
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organic contaminants (HOCs). Due to plastic’s high sorptive capacity, plastic acts as a
passive sampler for HOCs in the environment (Ogata et al., 2009), which has prompted
investigations into plastic’s role as a vector for HOCs (Mato et al., 2001; Teuten et al.,
2009). Despite the relatively high concentrations of HOCs found on marine debris, the
fugacity of persistent chemicals may be lower in the plastic phase than in the guts of
organisms and may cause plastic to act as a sink for these contaminants from biota
(Gouin et al., 2011). Additionally, since plastic is often not the source of HOCs, but
rather sorbs contaminants from the environment, the contribution of contaminants
through the ingestion of plastic has been shown to be a negligible transfer mechanism of
hydrophobic contaminants relative to direct and dietary uptake routes in both feeding
experiments (Besseling et al., 2013; Herzke et al., 2016) and equilibrium-partitioning
models (Bakir et al., 2016; Koelmans et al., 2013).
In contrast to adsorbed HOCs, whose concentrations on plastic are dependent on the
pollution levels of the environment, plastic additives are intentionally added to plastic
and their concentrations may be significantly higher than their surroundings, with
concentrations of alkylphenols ranging up to 3.9 µg/g (Hirai et al., 2011), and thus may
be a relevant source of these contaminants to biota. ..
In order to determine the ability for plastic items to transfer chemicals to fish and
seabirds that ingest plastic, we selected sixteen commonly-ingested, identifiable plastic
items and exposed them to artificial seabird and fish gut conditions and concentrated the
artificial gut fluids using solid-phase extraction. The gut fluid concentrates were then
screened for estrogen-receptor activity using a highly sensitive in vitro bioassay
(Vm7Luc4E2), then twelve plastic additives were quantified using ultra-performance
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liquid chromatography tandem mass-spectrometry. By selecting commonly-ingested and
easily identifiable plastic items, these findings provide item-specific estimates for the
transfer of chemicals to biota, which may be especially useful in future ecological risk
assessments. Additionally, the use of an in vitro bioassay provides a highly sensitive and
biologically-relevant estimate of bioavailable estrogenicity, which may not be obtained
with chemistry alone.
Methods
Materials
Instrumentation
Plastic polymer types were confirmed using Fourier-Transform Infrared
Spectroscopy (Bruker, Tensor 27) equipped with a deuterated triglycine sulfate detector
and a horizontal reflection GE attenuated total reflection accessory (Harrick Scientific,
65° incidence angle) (Supplemental Information). In vitro bioassay measurements were
made using a GloMax® Multi+ Detection System luminometer (Promega, Madison, WI,
USA). Plastic additives were quantified in gut fluid concentrates using an Acquity ultraperformance liquid chromatography triple quadrupole tandem mass-spectrometer with
electro-spray ionization (UPLC-TQD MS/MS, ESI) with a 100 x 2.1 mm Waters BEH
C18 column (1.7 µm particle size) (Waters©; Milford, MA).
Chemicals and Materials
Instant Ocean® was used to prepare saltwater (Spectrum Brands; Madison, WI).
1-L and 2-L amber glass vials were used to incubate plastic samples in digestion fluid. A
temperature-controlled shaking incubator (model 1575R) was used for all digest
incubations (VWR Scientific; Radnor, PA, USA). Digestion fluids were filtered using
190

47mm 0.20 µm Nylon membrane filter paper (Whatman; Maidstone, U.K.) and a vacuum
filtration apparatus. Solid-phase extraction (SPE) was performed using 1g sorbent C18
columns (SepPak®Plus; Waters Corporation, Milford, MA, USA) on a VisiprepTM
disposable liner 12-port vacuum manifold (Sigma-Aldrich Co., St. Louis, MO, USA).
SPE extracts were collected and stored in 20 mL borosilicate glass liquid
scintillation vials with polypropylene screw thread caps lined with metal foil (Wheaton,
Millville, NJ, USA). SPE extracts were filtered using 13mm diameter 0.20 µm pore-size
Nylon membrane syringe filters (Acrodis®, Pall Life Sciences, New York, NY, USA).
Deionized water was prepared using a BarnsteadTM E-PureTM system (Thermo Fisher
Scientific, Waltham, MA, USA) with electrical resistivity of 18MΩ/cm.
Analytical-grade (>99% purity) 17-beta-estradiol (E2), dimethyl sulfoxide
(DMS)), ethanol (200-proof), pepsin A, hydrochloric acid (37%), di-n-octyl phthalate
(DOP), tris(1,3-dichloro-2-propyl) phosphate (TDCIPP), triphenyl phosphate (TpHP),
benzyl butyl phthalate (BBP), dibutyl phthalate (DBP), bisphenol-S (BPS), diethyl
phthalate (DEP), di-(2-methoxyethyl)-phthalate (DMP), Bis(2-ethylhexyl) phthalate
(DEHP), bisphenol A (BPA), 4-n-nonylphenol (NP), 4-tert-octylphenol (OP) and 2,4,-ditert-butylphenol (2,4-DBP) were purchased from Sigma-Aldrich (St. Louis, MO, USA).
Cell culture materials
VM7Luc4E2 (ER) cells which were donated from Dr. Michael Denison
(University of California-Davis) were used to measure biological estrogenicity of plastic
digest extracts. ER growth media was comprised of RPMI-1640 (Mediatech Inc.,
Herndon, VA, USA) and 10% dialyzed fetal bovine serum (InvitrogenTM,Carlsbad, CA,
USA). Assay media was made up of Dulbecco’s Minimum Essential Medium (DMEM,
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phenol-red free, without L-glutamine; Sigma-Aldrich) supplemented with 5% charcoal
stripped fetal bovine serum (Sigma-Aldrich) and 2% GlutamaxTM (Sigma-Aldrich). 3-(
4,5-dimethythiazol-2-yl)-2,5-diphenyl tetrazolium bromide (MTT) was purchased from
Thermo Fisher Scientific. Luciferase assay reagent and cell lysis buffer were purchased
from Promega (Madison, WI, USA).
Plastic Items
Because fish and seabirds ingest plastic based on its visual similarity to their prey,
they selectively ingest plastic items based on their size and color (Carson, 2013; Lavers
and Bond, 2016). While some plastic fragments can only be identified by polymer type,
often fish and seabirds ingest intact plastic items that may be identifiable. In order to be
ecologically-relevant, we selected plastic items based on physical descriptions of the
most commonly ingested plastic items in fish as summarized by Li et al., (2016) and in
seabirds as described in Acampora et al., (2014). These items included toothbrush
(LDPE+Nylon), lighter (POM), straw (PP), spoon (PS), strapping Cord (PP), fishing Line
(polyamide), small zip-lock bag (LDPE), water-bottle Cap (HDPE), toothpaste tube cap
(PP), braided rope (nylon + polyester), shopping bag fragment (PE), plastic wrap
(LDPE), string (PP), balloon (latex), rubber band (isoprene), and expanded polystyrene
(PS). Eight out of sixteen plastic items were made in China, four plastic items were made
in the United States, one item was made in Mexico, one in Thailand, and the country of
origin was unable to be identified for two items (Table S1). Additional information
regarding plastic items, including pictures, mass, manufacturer, country of origin, FTIR
spectra and polymer type may be found Supplemental Information.
Simulated Digest Conditions
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Fish digestive mimic conditions were based on a one-stage in vitro technique
(Bigg and Fawcet, 1985; Jackson et al., 1987) and was prepared as follows: Pepsin A was
added to 32 parts-per-thousand artificial (deionized) saltwater for a final concentration of
2 g/L. Then, the pH was adjusted to 1.5 by adding dropwise 1M HCl and, if necessary,
NaOH and confirmed using a benchtop pH meter (Sper Scientific; Scottsdale, AZ, USA).
Plastic items were incubated in fish digestive fluids at 24ºC, which is the body
temperature of internationally-important commercial fish species grey mullet (M.
cephalus) (Nash and Koningsberger, 1981).
Seabird digestive mimic conditions were similar to fish digestive conditions
except pepsin A content was 10 g/L (Tanaka et al., 2015), pH was adjusted to 3 (Olsen et
al., 2002) and temperature was kept at 38ºC, which is approximately the body
temperature of large marine birds (Calder and King, 1974).
Plastic items were weighed using an analytical scale (masses listed in Table S1)
and exposed to artificial gut fluid at the mass: volume ratio of 0.01 g/mL, based on the
finding that high solid: fluid ratios tend to under-estimate desorption due to hydrophobic
phase saturation (Voparil and Mayer, 2000). Plastic items were shaken at 100 rpm for 16
hours based on estimates of gut contact time (Turner et al., 2001). Plastic-free controls
(N=3) were included for each digest/control condition at two volumes: 100 and 1,500 mL
depending upon the size of the object. For example, smaller sized objects (i.e. bottle cap,
string) used approximately 100 mL (see Table S1).
Solid Phase Extraction
Following incubation of plastic items in simulated digestion fluid, samples
were filtered and immediately extracted using SPE based on standardized protocol
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(Pallante et al., 1982). Prior to loading filtered simulated digestion fluid, each SPE
column was pre-conditioned with 10 mL methanol and 10 mL deionized water. Each
column was then washed with 10 mL deionized water and samples were eluted with 10
mL methanol into a clean glass scintillation vial. Throughout the SPE process, flow rate
was ≤1mL/min. Following elution, samples were concentrated to 1mL under a gentle
stream of nitrogen gas in a 40°C water bath. Samples were not evaporated to dryness in
order to avoid loss of volatile chemicals. Samples were syringe filtered (0.20µm nylon)
and stored at -20°C until analysis.
Estrogen Receptor in vitro bioassay
In vitro estrogen receptor binding activities of digest plastic SPE extracts were
assessed using the recombinant reporter cell line Vm7Luc4E2, (formerly known
asBG1Luc4E2) (The National Institute of Environmental Health, 2016), which is a
chemically activated luciferase gene expression bioassay. The Vm7Luc4E2 cell line has a
firefly luciferase reporter gene under hormone-inducible control of the estrogenresponsive element ERa and ERb (Rogers and Denison, 2000). Growth and maintenance
of cells was based on optimized conditions (Rogers and Denison, 2000) and is described
in detail in Supplemental Information. Estradiol equivalency (EEQ) of extracts were
interpolated based on a four-factor non-linear regression of a 12-point standard curve
using 17-beta-estradiol as a positive control, with concentrations ranging from 1.6x10-2 to
5.2x102 ng/L, as recommended in established cell-specific guidelines (OECD, 2015). All
standard curves had R2>0.98. EEQ values were only interpolated if the luciferase
response signal was within the linear portion of the standard curve. If sample luciferase
response signals were within the top 10% of the standard curve, they were diluted by a
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factor of 0.5 and reanalyzed until quantifiable signal was obtained. The average EC50 of
all assays was 11.9±2.3 ng/L and the average LOD and LOQ were 0.5±0.2 ng/L and
2.3±1.1 ng/L, respectively. Each laboratory replicate (N=3) was analyzed in three
independent biological assays.
Prior to analyzing estrogen receptor binding activity, digested plastic extracts
were tested for cytotoxicity using the MTT assay to ensure accurate and consistent results
in the receptor-binding assay. The MTT assay was based on methods described in (van de
Loosdrecht et al., 1994). A detailed description of methods may be found in
Supplemental Information. Cytotoxicity data (not shown) were used to determine nontoxic concentrations of plastic digest extracts for receptor-binding analysis. All extracts
displayed non-cytotoxic effects (>80% cell survival relative to solvent control) at or
above 0.05% in well.
Analytical Chemistry
Using UPLC-MS/MS, twelve estrogenic plastic-associated compounds were
quantified in the plastic digest SPE extracts, including DOP, TDCIPP, TpHP, BBP, DBP,
BPS, DEP, DMP, DEHP, BPA, NP, OP and 2,4,DBP. Operating parameters were based
on previously optimized methods (Coffin et al., 2018) and are summarized in
Supplemental Information. All targeted chemicals were below the LOQ in plastic-free
controls (both 100 and 1,500 mL). Chemical concentrations for all plastic items in
digest/control exposure conditions are included in Supplemental Data.
Chemical-based estradiol equivalency (EEQ)
Chemical-based estimates of estradiol equivalency (EEQ) of plastic digest SPE
extracts were calculated by adding the products of each chemical’s concentration (Ci) and
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respective estradiol equivalency factor (EEFi) (equation 1) based on methods described in
(Berg et al., 2008; Körner et al., 1999). When available, EEF values specific to the
Vm7luc4E2 cell line were used, and when not available, averages from other human ER
cell lines were used. All EEQ values are reported relative to the endogenous steroid
hormone 17-beta-estradiol and are summarized in Table 4.S4.
(equation 1)
Statistical Analysis
For cell bioassays and analytical measurements, the limit of detection (LOD) and
limit of quantification (LOQ) were the interpolated concentrations of the average plus
three (LOD) and ten (LOQ) times the standard deviation of the solvent controls (Keith et
al., 1983). In calculating chemical-based EEQ values, samples below the LOQ were
assigned a value of 1/2LOQ, as substitution has been shown to equal or outperform other
more complicated methods of handling censored data sets with very small sample sizes
(n<10) (Clarke, 1998), and is recommended by the USEPA as a conservative method for
chemical-based estimates of toxic equivalency values (USEPA, 2011) .
Two-way ANOVA were used to compare the effects of digest conditions and
plastic items on the biological and chemical EEQ data. If main effect or interaction
effects were significant, then Dunnett’s post hoc test was used to compare between
plastic items and plastic-free control. Sidak’s test for multiple comparisons was used to
determine significant differences between digest conditions and their respective control
conditions for individual plastic items. Tukey’s honest significant difference post hoc was
used to compare EEQ values across all four digest/control conditions. In order to test the
effect of digestion type on the desorption of chemicals, the non-parametric Friedman one196

way ANOVA test was used with the Dunn’s post-hoc test for multiple comparisons
matched by each plastic item. The Friedman test was chosen to compare more than 2
digestion groups due to the existence of values below detection limits, which therefore
would follow a non-normal distribution. All statistical analyses were performed using
Prism 6 (GraphPad©, San Diego, CA, USA). Differences were considered statistically
significant at the α=0.05 level.Correlations between biological and chemical EEQ values
analyzed using Pearson correlations (Supplemental Information). A visualization of the
correlation between plastic items/digest (64 pairs, N=3) is displayed in Figure 4.S4. All
post hoc tests were two-tailed.
Results
Seabird Digest (10 g/L pepsin, pH 2, saltwater, 40°C); Biological EEQ
Mass-normalized biological EEQ values of individual plastic items along with plasticfree controls were compared across seabird digest and seabird control (pH 7, saltwater,
40°C) exposure conditions using two-way ANOVA (Figure 4.1). There was a significant
main effect of digest conditions (F1, 74= 74.4, p < 0.0001), such that biological EEQ
values (ng/g) were higher for plastic items exposed under seabird digest conditions
(M=1.63, SD=2.64) compared to seabird control conditions (M=0.59, SD=0.47) (Table
4.S7). The average increase in biological EEQ by seabird digest conditions relative to
seabird control was 2.88 times (SD=3.26, range: 0.32-10.61x). There was a significant
main effect of plastic item (F16, 74= 38.0, p < 0.0001), and the interaction between plastic
item and digest condition was significant (F16, 74=23.8, p < 0.0001). Dunnett’s multiple
comparison test revealed significant differences between plastic-free control and
shopping bag fragment (PE) (p <0.0001), string (PP) (p <0.0001), and expanded
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polystyrene (PS) (p <0.0001) within the bird digest exposure group (Figure 4.1). No
significant differences between plastic-free control and plastic items were found within
the bird control exposure group (Figure 4.1). Seabird digest conditions had significantly
higher biological EEQ values than seabird control conditions for shopping bag fragment
(LDPE) (p<0.0001), string (PP) (p=0.0001) and expanded polystyrene (PS) (p=0.0001)
(Figure 4.1).
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Seabird Control

28°C, saltwater, pH=7.0

40°C, freshwater, pH=7.0

Fish Digest

Seabird Digest

28°C, saltwater, pH=2.0
2 g/L pepsin

40°C, freshwater, pH=2.0
10 g/L pepsin
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Figure 4.1. Biological EEQs of plastic items. Biologically-determined estradiol
equivalencies (EEQ) of plastic items for each digest condition mimic are displayed
(normalized by mass). Bars represent the mean (±SD) EEQ (ng/g) (laboratory N=3,
biological N=3). Plastic items are separated by polymer type. Significant differences
between EEQ values of plastic-free control and plastic item are denoted with an asterisk
(p<0.05,**p<0.01,***p<0.001,*p<0.0001; two-way ANOVA, Dunnett’s post hoc).
Significant differences between EEQ values of digest types within each plastic item are
denoted with a letter (A,B; α=0.05; Tukey’s post hoc).
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Seabird Digest (10 g/L pepsin, pH 2, saltwater, 40°C); Chemical EEQ
Mass-normalized chemical estimates of EEQ values of individual plastic items
along with plastic-free controls were compared across seabird digest and seabird control
conditions (pH 7, saltwater, 40°C) (two-way ANOVA). There was a significant main
effect of digest conditions (F1, 74= 11.8, p= 0.001), such that chemical EEQ estimates
(ng/g) were higher for plastic items exposed under seabird digest conditions (M=0.29,
SD=0.19) compared to seabird control conditions (M=0.24, SD=0.19) (Table 4.S5). The
average increase in chemical EEQ by seabird digest conditions relative to seabird control
was 1.20 times (SD=0.17, range: 0.96-1.41x). There was a significant main effect of
plastic item (F16, 74= 34.5, p < 0.0001), and the interaction between plastic item and digest
condition was significant (F16, 74=2.4, p = 0.006). For the seabird digest group, Dunnett’s
multiple comparison test revealed significant differences between plastic-free control and
strapping cord (PP) (p =0.002), small zip-lock bag (LDPE) (p =0.025), water-bottle cap
(HDPE) (p =0.008), toothpaste tube cap (PP) (p <0.0001), braided rope (nylon, polyester)
(p <0.0001), shopping bag fragment (LDPE) (p =0.0009), plastic wrap (LDPE) (p
=0.0003), string (PP) (p =0.001), balloon (latex) (p =0.004), rubber band (isoprene) (p
=0.012), and expanded polystyrene (PS) (p <0.0001) (Figure 4.2). For the seabird control
group, there were significant differences between plastic-free control and fishing line
(polyamide) (p =0.004), toothpaste tube cap (PP) (p =0.002), braided rope (nylon,
polyester) (p <0.0001), shopping bag fragment (LDPE) (p =0.003), plastic wrap (LDPE)
(p =0.003), string (PP) (p =0.012), balloon (latex) (p =0.03), rubber band (isoprene) (p
=0.018), and expanded polystyrene (PS) (p <0.0001) (Figure 4.2). Seabird digest
conditions had significantly higher EEQ estimates than seabird control conditions for
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toothbrush (LDPE, nylon) (p =0.0002), strapping cord (PP) (p<0.0001) and small ziplock
bag (LDPE) (p=0.017) (Figure 4.2). In contrast, seabird control conditions had
significantly higher EEQ estimates than seabird digest conditions for fishing line
(polyamide) (p=0.02) (Figure 4.2).
Chemical EEQ estimates of plastic items exposed under seabird digest and
seabird control conditions were not significantly correlated with biological EEQs
(Pearson r=0.13, p=0.60 and Pearson r=-0.05,p=0.83, respectively) (Table 4.S11).
Seabird Digest (10 g/L pepsin, pH 2, saltwater, 40°C); Plastic additives
For each targeted chemical, the effect of digest conditions on their desorption
were compared using Friedman’s one-way ANOVA, followed by Dunn’s multiple
comparison test, and results are displayed in Figure 4.S3 and summarized in Table S3.
Relative to seabird control (pH 7, saltwater, 40°C), seabird digest conditions
significantly enhanced the desorption of BPA by a factor of 2.04±1.29 (geomean
ratio±SD) (p=0.003) and DEHP by a factor of 1.75±0.97 (p=0.0005).
Individual plastic items with significantly different biological EEQs between
digest and control conditions were analyzed for chemical differences using t-tests with a
correction for multiple comparisons using the Holm-Sidak method. For shopping bag
fragment (LDPE), seabird digest conditions significantly enhanced the desorption of
DEHP (1,785 ±2,140 ng/g) relative to seabird control conditions (N.D.; <272 ng/g)
(p=0.0001). For string (PP), seabird digest conditions significantly enhanced the
desorption of DEHP (517 ±425 ng/g) relative to control (N.D.; <272 ng/g) (p=0.02). For
expanded polystyrene (PS), seabird digest conditions enhanced the desorption of DEHP
(506 ±407 ng/g) relative to seabird control conditions (N.D.; <272 ng/g) (p=0.02).
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Figure 4.2. Chemical EEQs of plastic items. Chemically-determined estradiol
equivalencies (EEQ) of plastic items for each digest condition mimic are compared
(normalized by mass). Bars represent the mean (±SD) EEQ (ng/g) (laboratory N=3).
Plastic items are separated by polymer type. Significant differences between EEQ values
of plastic-free control and plastic item are denoted with an asterisk
(p<0.05,**p<0.01,***p<0.001,*p<0.0001; two-way ANOVA, Dunnett’s post hoc).
Significant differences between EEQ values of digest types within each plastic item are
denoted with a letter (A,B; α=0.05; Tukey’s post hoc)
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Fish Digest (2 g/L pepsin, pH 2, saltwater, 28°C); Biological EEQ
Mass-normalized biological EEQ values of individual plastic items along with
plastic-free controls were compared across fish digest and fish control (pH 7, saltwater,
28°C) conditions (two-way ANOVA). There was a significant main effect of digest
conditions (F1, 74= 21.1, p < 0.0001), such that biological EEQ values (ng/g) were higher
for plastic items exposed under fish digest conditions (M=1.83, SD=2.81) compared to
fish control conditions (M=0.68, SD=0.73) (Table 4.S7). The average increase in
chemical EEQ by fish digest conditions relative to fish control was 5.11 times (SD=4.88,
range: 0.24-16.2x). There was a significant main effect of plastic item (F16,74= 11.1, p <
0.0001), and the interaction between plastic item and digest condition was significant
(F16, 74= 6.0, p < 0.0001). Dunnett’s multiple comparison test revealed significant
differences between plastic-free control and shopping bag fragment (LDPE) (p <0.0001),
string (PP) (p <0.0001), and expanded polystyrene (PS) (p <0.0001) within the fish digest
group (Figure 4.1). Within the fish control digest group, significant differences were
found between plastic-free control and string (PP) (p <0.026) and rubber band (isoprene)
(p <0.024) (Figure 4.1). Fish digest conditions elicited significantly higher biological
EEQ values than fish control conditions for shopping bag fragment (LDPE) (p<0.0001),
string (PP) (p<0.0001) and expanded polystyrene (PS) (p<0.0001) (Figure 4.1).
Fish Digest (2 g/L pepsin, pH 2, saltwater, 28°C); Chemical EEQ
Mass-normalized chemical estimates of EEQ values of plastic items and plasticfree controls were compared across fish digest and fish control (pH 7, saltwater, 28°C)
exposure conditions (two-way ANOVA). There was a significant main effect of digest
conditions (F1, 74=9.9, p=0.002), such that chemical EEQ estimates (ng/g) were higher for
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plastic items exposed under fish digest conditions (M=0.21, SD=0.10) compared to fish
control conditions (M=0.19, SD=0.09) (Table 4.S5). The average increase in chemical
EEQ by fish digest conditions relative to fish control was 1.23 times (SD=0.42, range:
0.98-2.66x). There was a significant main effect of plastic item (F16, 74=35.4, p <0.0001).
However, the interaction between plastic item and digest condition was not significant
(F16, 74=0.6, p =0.89). For the fish digest group, Dunnett’s multiple comparison test
revealed significant differences between plastic-free control and small zip-lock bag
(LDPE) (p =0.024), water-bottle cap (HDPE) (p =0.016), toothpaste tube cap (PP) (p
<0.0001), braided rope (nylon, polyester) (p =0.005), shopping bag fragment (LDPE) (p
=0.002), plastic wrap (LDPE) (p =0.002), string (PP) (p =0.001), balloon (latex) (p
=0.008), rubber band (isoprene) (p =0.005), and expanded polystyrene (PS) (p<0.0001)
(Figure 4.2).
Chemical EEQ estimates of plastic items exposed under fish digest conditions
were significantly correlated with biological EEQs (Pearson r=0.47, p=0.047). No
significant correlation was found for fish control conditions (Pearson r=0.40,p=0.10)
(Table 4.S11).
Fish Digest (2 g/L pepsin, pH 2, saltwater, 28°C); Plastic-associated compounds
Relative to fish control (pH 7, saltwater, 28°C), fish digest conditions
significantly enhanced the desorption of BBP by a factor of 1.32±0.68 (geomean
ratio±SD) (p=0.008) (Figure 4.S3, Table S3). Individual plastic items with enhanced
biological EEQs between fish digest and fish control conditions were analyzed for
significant differences in desorbed chemicals using t-tests with a correction for multiple
comparisons using the Holm-Sidak method. For shopping bag fragment (LDPE), there
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was a non-significant trend towards higher DEHP desorption in fish digest conditions
(1,306 ±104 ng/g) relative to fish control conditions (552±485 ng/g) (p=0.06). For string
(PP), fish digest conditions significantly enhanced the desorption of DBP (2,821 ±2,331
ng/g) relative to fish control conditions (N.D.; <174 ng/g) (p=0.02). For expanded
polystyrene (PS), there were no significant differences in measured chemicals between
fish digest and fish control conditions.
Comparison of All Digestive Conditions; Biological EEQ
When comparing biological EEQ values of plastic items in fish digest and seabird
digest exposure groups using two-way ANOVA, the interaction between digests and
plastic items was not significant (F16,74= 1.5, p =0.16). The main effect of digest
condition was not significant (F1, 74= 0.51, p =0.48); however, the main effect of plastic
item was significant (F16,74= 28.2, p <0.0001).
When comparing fish control and seabird control exposure groups, the interaction
between exposure conditions and plastic items was significant (F16,74= 5.3, p <0.0001).
The main effect of exposure condition was not significant (F1, 74= 1.1, p =0.29), but the
main effect of plastic item was significant (F16,74= 7.71, p <0.0001). Sidak’s post hoc
revealed significant differences between biological EEQs of water bottle cap (HDPE)
(p=0.0003), string (PP) (p=0.0005) and rubber band (isoprene) (p<0.0001) (Figure 4.1).
When comparing across all four digest types (seabird control, seabird digest, fish
control, fish digest), Tukey’s post hoc revealed significant differences between fish and
seabird digest conditions for string (PP), such that fish gut conditions elicited higher
biological activity (EEQ=7.5±5.3 ng/g) than seabird gut conditions (EEQ=2.9±0.9 ng/g)
(p=0.003) (Figure 4.1).
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Comparison of All Digestive Conditions; Chemical EEQ
When comparing between fish digest and seabird digest exposure groups the main
effect of digest condition was significant (F1, 37= 33.2, p <0.0001), such that seabird
digest conditions (M=0.29, SD=0.19) had higher chemical EEQ estimates than fish digest
conditions (M=0.21, SD=0.10). The interaction between digests and plastic items was not
significant (F16,37= 1.5, p =0.16); however, the main effect of plastic item was significant
(F16,37= 28.2, p <0.0001).
When comparing between fish control and seabird control conditions, the
interaction between digest conditions and plastic item was significant (F16, 74= 14.2, p
<0.0001), the main effect of plastic item was significant (F16, 74= 38.2, p <0.0001) and the
main effect of exposure condition was significant (F1, 37= 27.4, p <0.0001), such that
seabird control conditions (M=0.24, SD=0.19) had higher chemical EEQ estimates than
the fish control conditions (M=0.19, SD=0.09). Lighter (POM) (p=0.0008), fishing line
(polyamide) (p=0.02) and braided rope (nylon, polyester) (p<0.0001) had significantly
higher chemical EEQ values in seabird control conditions than in fish control conditions
(Table 4.S5, Figure 4.2).
When comparing across all four digest types (seabird control, seabird digest, fish
control, fish digest), Tukey’s post hoc revealed significant differences between fish and
seabird digest conditions for string (PP) (p=0.003) (Figure 4.2).
Comparison of All Digestive Conditions; Plastic-associated compounds
Relative to seabird control, fish control conditions significantly enhanced the
desorption of BBP by a factor of 1.13±0.17 (geomean ratio±SD) (p=0.004) (Figure 4.S3,
Table S3). Relative to fish digest, seabird digest conditions significantly enhanced the
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desorption of BPA by a factor of 2.32±1.54 (p=0.0001) and DEHP by a factor of
1.45±1.88 (p=0.04) (Figure 4.S3, Table S3).
Individual plastic items with enhanced biological EEQs between fish digest and
seabird digest conditions were analyzed for significant differences in desorbed chemicals
using t-tests with a correction for multiple comparisons using the Holm-Sidak method.
String (PP) had significantly higher desorption of DEHP in fish digest conditions
(944±591 ng/g) than seabird digest conditions (518±425 ng/g) (p=0.002).
Overall, chemical EEQ estimates of plastic items (64 pairs, N=2) were not
significantly correlated with their biological EEQs (Pearson r=0.17, p=0.17) (Figure
4.S4).
Discussion
Seabird Digest Conditions
The observed significant enhancement of biological estrogenic activity by seabird
digest conditions relative to seabird control conditions was also dependent on the plastic
item, as evidenced by the significant interaction in the two-way ANOVA. Out of the 16
plastic items tested, three items had significantly higher biological estrogenic activity in
seabird digest conditions, which included shopping bag fragment (LDPE), string (PP) and
expanded polystyrene (PS). These three items had significant chemical EEQ estimates
relative to plastic-free controls in seabird digest conditions but were not significantly
different between digest/control conditions. Chemical analysis revealed that for all three
items, DEHP was desorbed at higher quantities due to seabird digest conditions. This
difference in DEHP desorption accounted for a mean increase in chemical EEQ of 0.18
ng/g for shopping bag fragment, 0.04 ng/g for string and 0.01 ng/g for expanded
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polystyrene. The significant increases in DEHP cannot adequately account for the
observed differences in biological activity, which averaged 7.6 ng/g for shopping bag
fragment, 2.4 ng/g for string and 6.1 ng/g for expanded polystyrene (Table 4.S9),
suggesting that uncharacterized estrogenic chemicals may be responsible for the
biological activity. This is further supported by the lack of a significant correlation
between biological and chemical EEQs for the seabird digest and control exposure
groups.
Seabirds are known to ingest relatively high quantities of plastic in the marine
environment, with average internal concentrations of 6.5 items/bird (Provencher et al.,
2014) and over 119 species documented to ingest plastic (Secretariat of the Convention
on Biological Diversity, 2012). Due to these relatively high ingestion rates, recent efforts
have been made to link individual-level effects with assemblage-wide ecological impacts
to determine risk and inform regulation (Browne et al., 2015). Studies on the impacts to
birds from plastic ingestion have focused largely on physical effects, such as blocked or
perforated stomachs (Brandão et al., 2011), which are linked to reduced body weight
(Spear et al., 1995). Of the few studies that have focused on the transfer of chemicals
from plastic to seabirds, most have focused on the transfer of legacy hydrophobic
contaminants (Ryan, 1987) or metals (Lavers et al., 2014), despite suggestions that plastic
may be a direct and important source of chemical constituents to seabirds (Teuten et al.,
2009).
Our study indeed shows that seabird digest conditions enhances the desorption of
BPA and DEHP from plastic items relative to both seabird control conditions as well as
fish digest conditions. As a relatively potent estrogenic plasticizer, BPA (EEF=1.1x10-5)
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may pose significant risks to seabirds. BPA has been shown to significantly reduce sperm
concentration in birds at doses as low as 5 mg/kg (Singh et al., 2016) and can cause
feminization of gonads in males (Berg et al., 2001). For decades, DEHP has been known
to cause weight gain in birds (O’Shea and Stafford, 1980); however, recent evidence
suggests that DEHP also induces kidney (P.-C. Li et al., 2018), liver (Zhang et al., 2018)
and cerebellar toxicity (Du et al., 2017) in quail (Coturnix japonica) at oral doses as low
as 140 mg/kg. Based on our findings of enhanced desorption of BPA and DEHP to
seabirds from plastic during ingestion, and these chemicals’ potential to affect seabird
physiology, future research into plastic’s role as a transfer mechanism of constituent
additives of plastic to birds is necessary.
Fish Digest Conditions
Similar to the findings for seabird digest conditions, fish digest conditions
enhanced biological estrogenic activity relative to fish control in a manner that was also
dependent on the specific plastic item. Three out of 16 items induced significant
biological estrogenic activity relative to plastic-free control under fish digest conditions.
These three items were also significantly enhanced by fish digest conditions relative to
fish control conditions, and included shopping bag fragment (LDPE), string (PP) and
expanded polystyrene (PS). Chemical analyses revealed that DBP was the only
compound that was significantly enhanced by fish digest conditions in any of these three
items. Due to the relatively low estrogenic potency of DBP, this increase accounted for
less than 0.01 ng/g EEQ in string (PP), and therefore is unlikely to be responsible for the
observed enhancement in biological estrogenicity of 5.4 ng/g (Table 4.S9) after digest
exposure. String (PP), which was the only item with significant differences in biological
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activity between fish digest and seabird digest conditions, desorbed significantly higher
amounts of DEHP under fish digest conditions. DEHP seems unlikely to account for the
observed biological estrogenicity after digestion conditions based on its chemical EEQ
contribution of 0.10 ng/g.
Fish are known to ingest relatively high quantities of plastic in the marine
environment, with average internal concentrations of 1.4 items/fish (range 0-19) (Burns
and Boxall, 2018). At least 41 species of fish were documented to ingest plastic
(Secretariat of the Convention on Biological Diversity, 2012). Evaluating the risks that
plastic may pose to fish is vital. Overall, fish digest conditions enhanced the desorption of
BBP from plastic items relative to fish control conditions. Being relatively low in
estrogenic potency (EEF=1.4x10-6) (Table 4.S4), the enhanced desorption of BBP
accounted for an estimated 0.002ng/g difference in chemical EEQ and was unlikely to be
responsible for the differences between biological and chemical EEQ (3.54 ng/g)
observed in string (PP). BBP has bioconcentration factor values up to 462 in fish
(Barrows et al., 1980) and can cause lethality at part per billion concentrations
(LC50=720µg/L)(Chen et al., 2014). Other documented effects include alterations in
behavior at (Wibe et al., 2002), vitellogenin induction (Christiansen et al., 1998) as well
as inhibition of growth, disruption of gonadal differentiation and feminization
(Jarmołowicz et al., 2013).
Comparison of All Digestive Conditions
Significant biological estrogenic activity was found in multiple polymers,
including PS, PP, LDPE and isoprene. Since the overall correlation between biological
EEQ and chemically-based EEQs was not significant (Figure 4.S4), not all chemicals
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responsible for biological activity were identified. Chemical EEQs were estimated using
a concentration addition model, which assumes that each individual component in the
mixture contributes to the overall effect in proportion to its concentration and potency.
This model does not take into account non-additive effects (i.e. synergism or antagonism)
and thus may not adequately predict biological activity (Kortenkamp and Altenburger,
1998). Several estrogenic plastic additives (BPA, NP, OP) have been demonstrated to
have synergistic estrogenic effects in rat pituitary cells (Vo et al., 2012). Thus, it is
possible that the observed increases in biological estrogenic activity between digest
conditions may have been due to synergism. However, DEHP, DBP and BBP have been
found to have anti-estrogenic effects at relatively high concentrations (≥10 µM), but since
concentrations were not observed above this range, antagonistic effects were unlikely to
occur in the plastic digest extracts (Ghisari and Bonefeld-Jorgensen, 2009). The finding
of non-significant correlations between measured biological estrogenicity and predicted
estrogenic from chemical analysis is common (Galluba and Oehlmann, 2012).
While the selection of plastic items in this study may not be large enough to be
representative of the vast multitude of consumer plastic items, the lack of observed
significant biological estrogenic activity in food-related products (i.e. water-bottle cap,
plastic wrap, straw, spoon) may be due to regulations governing the use of estrogenic
plasticizers for these products. For instance, DEHP, BBP, DBP and are regulated in food
contact products in the European Union, with specified maximum permitted specific
migration limits (SML) (European Commission, 2002). However, DBP and DEHP were
measured above EU’s SML in some food-related products, such as in plastic wrap, in
which DEHP was released at 5.6 µg/g under fish digest conditions, which is more than 3
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times higher than the SML of 1.5 mg/kg, and DBP was released at up to 29.7 µg/g, which
is nearly 100 times higher than the SML of 0.3 mg/kg (European Commission, 2002).
There did not appear to be any trends biological estrogenicity and the country of
origin of the plastic items. For instance, plastic items that elicited significant biological
activity were from the United States of America and China (Table S1). However, there
did appear to be a trend between several plastic additives and country of origin. BPA and
2,4-DBP (two of the most estrogenic plastic additives targeted for chemical analysis)
were detected in highest quantities in items made in China, with very low detection
frequencies in plastic items made in the United States of America. The toothbrush
samples released BPA at concentrations of up to 13.02 µg/g and 2,4-DBP at
concentration of up to 8.45 µg/g. The next highest concentrations of BPA were found in
water bottle caps (up to 2.01 µg/g, USA origin) and the next highest concentration of 2,4DBP was found in expanded polystyrene (up to 2.49 µg/g, USA origin).
Conclusion
Sixteen commonly-ingested identifiable plastic items were exposed to artificial
seabird and fish gut conditions, then screened for estrogen activity using a combination of
a highly sensitive light-activated estrogen receptor bioassay and targeted analytical
chemistry of 12 plastic additives. Both seabird and fish gut conditions significantly
enhanced the biological estrogenicity of three of sixteen plastic items relative to their
respective controls, and were expanded polystyrene, polyethylene shopping bag and
polypropylene string. Seabird and fish gut conditions caused a significant increase in
biological estrogenicity. While there were no significant differences in the biological
estrogenicity elicited by seabird and fish gut conditions, chemically-estimated
212

estrogenicity was significantly higher in seabird gut conditions relative to fish gut
conditions. On average for 16 plastic items, BPA and DEHP concentrations were
significantly increased in seabird gut conditions relative to control conditions and BBP
concentrations were significantly increased in fish gut conditions relative to control
conditions. The enhanced desorption of BPA, DEHP and BBP did not adequately account
for the measured increases in biological estrogenicity by seabird and fish gut conditions,
suggesting other non-targeted plastic additives are enhanced by both gut conditions.
Based on the discrepancies observed between chemical estimates of estrogenicity and
observed biological estrogenicity, we conclude that ecological risk assessments dealing
with the ingestion of plastic debris by biota based solely on targeted chemicals may
under-estimate risk. In order to identify bioactive components from plastic consumer
products, effects directed screening techniques may be warranted (Coffin et al., 2018;
Jonker et al., 2016).
Although some knowledge gaps remain, the available evidence either does not
support or is inconclusive for plastic acting as a relevant transfer mechanism for HOCs to
organisms (Burns and Boxall, 2018). However, very little is known about plastic’s ability
to transfer constituent additives through ingestion. Based on the findings we present here,
in which known and unknown estrogenic compounds desorb at enhanced amounts under
simulated gut conditions, it may be important to focus future studies on the potential
transfer of these additives.
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Table 4.S1. Summary of plastic item parameters
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Mass (g; N=12)
Country
Plastic Item
Mean
SD
Polymer
China
Tootbrush
11.63
0.11
LDPE + Nylon
China
Lighter
11.22
0.68
POM
Unknown
Straw
5.40
0.29
PP
China
Spoon
5.26
0.11
PS
USA
Strapping Cord
1.32
0.18
PP
China
Fishing Line
1.42
0.29
Polyamide
China
Zip-lock Bag
1.14
0.04
LDPE
USA
Water-bottle Cap
1.27
0.01
HDPE
China
Toothpaste tube Cap
0.97
0.03
PP
Mexico
Braided Rope
1.20
0.10
Nylon, polyester
USA
Shopping bag fragment
1.18
0.06
LDPE
Unknown
Plastic Wrap
1.14
0.07
LDPE
China
String
1.17
0.06
PP
China
Balloon
1.26
0.06
latex
Thailand
Rubber band
1.24
0.05
isoprene
USA
Expanded Polystyrene
1.03
0.02
PS
List of mass and polymer type of macro- and micro-sized plastic items used in digestion and control experiments.
Polymer type abbreviations: low-density polyethylene (LDPE); polyoxymethylene (POM); polypropylene (PP); polystyrene
(PS); high-density polyethylene (HDPE); polyethyelene (PE).

Fishing
Line

String
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Shopping Bag

Figure 4.S1. Pictures of plastic items.

Strapping
Cord

Fourier Transform Infrared Spectroscopy
Polymer type of each plastic item was confirmed using Fourier-Transform
Infrared Spectroscopy (Bruker, Tensor 27) equipped with a deuterated triglyine sulfate
detector and a horizontal reflection GE attenuated total reflection accessory (Harrick
Scientific, 65° incidence angle).Spectra (Figure 4.S2) displays the average of 1024 scans
taken at 4 cm-1 resolution. Spectra were compared with literature spectra to confirm
polymer type as listed in Table 4.S1(Käppler et al., 2016).
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Figure 4.S2. FTIR-ATR Spectra of plastic items.
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Additional information on chemical analysis
UPLC Analysis
Plastic-associated compounds were quantified using a Waters© Acquity ultraperformance liquid chromatography tandem mass-spectrometry with electro-spray
ionization (UPLC-MS/MS, ESI) equipped with a 50 x 2.1 mm Waters BEH C18 column
(1.7 µm particle size) and tandem mass spectrometers (Milford, MA). All R2 values of
standard linear regression curves of compounds measured using the UPLC were >0.98.
Mass spectrometer settings for each compound, including parent-daughter ions, collision
energy (CE), dwell time, cone voltage, electro-spray ionization mode, LOD and LOQ
may be found in Table 4.S2. All compounds were quantified using multiple reaction
monitoring (MRM) and confirmed using a secondary MRM mother-daughter pair (if
possible). Exceptions include DOP and DEHP, which did not produce daughter ions that
were quantifiable, in which case retention time (±0.02 seconds) matched to selected ion
recording (SIR) m/z were used to integrate peak area. DOP and DEHP shared the same
SIR parameters and were separated by retention time (peaks were fully separated by 10
seconds).
All samples were analyzed twice- once in positive ESI mode, and again in
negative ESI mode. For ESI positive mode, the mobile phases were water (E-pure) and
methanol (Optima grade; Fisher, Hampton, NH) and the flow rate was 0.4 ml/min. The
gradient started with 60% water and 40% methanol, and starting at 0.5 minutes, the
%methanol increased linearly to 99% until 3 minutes, at which point it was held until 6
minutes, then decreased back to 60% linearly until 6.5 minutes. The column was then reequilibrated for 1 minute (total run time 7.5 minutes). The column temperature was set to
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40°C. Capillary voltage was set to 2.70 kV, source temperature was 150°C, desolvation
temperature was 350°C and desolvation gas flow was 650 L/Hr.
For negative mode, the mobile phases were water (E-pure) with 10 mM
ammonium acetate (Optima grade; Fisher, Hampton, NH) and the flow rate was 0.4
ml/min. The gradient started with 60% water and 40% methanol, and starting at 0.5
minutes, the %methanol increased linearly to 99% until 2 minutes, at which point it was
held until 4 minutes, then decreased back to 60% linearly until 4.5 minutes. The column
was then re-equilibrated for 2 minutes. The column temperature was set to 40°C.
Capillary voltage was set to 3.00 kV, source temperature was 150°C, desolvation
temperature was 500°C and desolvation gas flow was 1,000 L/Hr.
Chemicals concentrations were compared between digest types paired by plastic
item (Table 4.S3) (N=18). The geometric mean and standard deviation of the ratio of
each chemical are listed. Chemical differences between digest types were assessed
statistically using the non-parametric paired one-way ANOVA (Friedman) with Dunn’s
post-hoc. The p value from Dunn’s post-hoc test is listed for each chemical, and chemical
ratios are considered significant if the p-value is less than 0.05 (highlighted in red).
Significant tatios greater than one signify that the digest type on the numerator
significantly desorbed that chemical relative to the digest on the denominator. For
example, under the heading “Fish Digest/Fish Control,” BBP has a significant ratio of
1.32±0.68, meaning that on average, the fish digest conditions desorbed BBP by a factor
of 1.32 times relative to its control.
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Table 4.S2. Multiple Reaction Monitoring Parameters for UPLC-MS
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Compound

Transition 1

DMP
DEP
BPS
DBP
BBP
TPhP
TDCIPP
DOP
DEHP
BPA
NP
2,4,-DbP
OP

195.03> 77.04
223.03>93.03
251.06>93.03
279.15>149.01
313.15>91.01
327.05>77.03
430.87>98.96
391.29>149.06
391.29>149.06
227.17>133.09
219.21>106.03
205.0>149.0
205.15>133.0

T1
CE
(V)

Transition 2
30
32
24
14
14
42
28
16
16
22
20
26
24

195.03>163.06
223.03>149.00
251.06>157.00
279.15>205.06
313.15>205.06
327.05>152.05
430.87>208.97
N/A
N/A
227.17>212.11
N/A
205.0>189.0
N/A

T2 CE
(V)
10
14
24
6
6
40
16
N/A
N/A
18
N/A
24
N/A

dwell Cone
(s) (V)
0.05
0.02
0.05
0.02
0.02
0.02
0.02
0.23
0.23
0.03
0.03
0.012
0.012

ESI
14
16
36
20
16
52
26
22
22
50
46
40
40

(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(+)
(-)
(-)
(-)
(-)

LOD
LOQ
(ng/mL) (ng/mL)
2.2
12.1
1.6
17.4
19.6
22
6.6
64
16.3
2.9
4.2
25.3
12.3

36.8
26.2
1.7
34.7
39.2
44
19.8
128.1
54.4
3.3
5
37
15

Table 4.S3. Ratio comparisons of chemicals between digests types across plastic items
Fish Digest/Fish
Control
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Chemical
OP
2,4-DtBP
BPA
NP
BPS
BBP
DBP
DEP
DMP
DEHP
TDCIPP
TpHP

Ratio

P

1
> 0.99
1.3
> 0.99
1
> 0.99
1
> 0.99
0.99
> 0.99
1.32 **0.0078
1.32
> 0.99
1.13
> 0.99
1
> 0.99
1.33
> 0.99
1
> 0.99
1
> 0.99

Seabird
Seabird Digest/Fish
Digest/Seabird
Digest
Control
Ratio
P
Ratio
P
1.11
> 0.99
1.3
> 0.99
1.13
> 0.99
0.34
0.43
2.04 **0.0032
2.32 ***0.0001
1
> 0.99
1
> 0.99
1.02
> 0.99
0.38
> 0.99
0.97
0.28
0.83
0.28
0.93
0.79
1.71
0.47
1.01
> 0.99
1.76
0.24
0.99
> 0.99
0.88
> 0.99
1.75 ***0.0005
1.45
*0.0371
0.99
0.14
2.13
0.14
0.99
> 0.99
1
> 0.99

Fish
Control/Seabird
Control
Ratio P
1.109
> 0.99
1.609
0.07
1.139
> 0.99
1
> 0.99
0.367
0.55
1.125 **0.004
2.428
0.1
1.969
0.18
0.891
> 0.99
1.13
> 0.99
2.16
0.21
1.014
> 0.99
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Figure 4.S3. Log(ratio) comparisons of chemicals between digests conditions. Each bar represents the geometric mean
of the log(ratio) of the chemical paired across all plastic items. Statistical significance of chemical desorption were assessed
using Friedman’s non-parametric one-way ANOVA with Dunn’s post-hoc test and are denoted with red asterisks (*p<0.05,
**p<0.01, ***p<0.001).

Analytical-based estradiol equivalency calculations
Estradiol equivalency factors (EEF) are listed for compounds measured using
UPLC-MS/MS. EEF values are the molar ratio of the EC50 of the compound divided by
the EC50 of 17-beta-estradiol and as such are unitless. Sources for EEF values are taken
from the literature for Vm7luc4E2 cells or similar (Akahori, 2008; ICCVAM, 2011;
Knepper and Barcelò, 2003; Murk et al., 2002; Rochester and Bolden, 2015; Ter Veld et
al., 2006). EEF values are listed in Table 4.S4. Descriptive statistics, including, mean,
standard deviation and more are listed for each plastic digest (all 16 plastic items) in
Table 4.S5. Calculated chemical EEQ values for each plastic digest are listed in Table
4.S6. Mean differences in chemical EEQ estimates between plastic-free control (1,500
mL control, N=3 for each digest condition) and plastic items are listed in Table 4.S7,
including significance level (two-way ANOVA; Dunnett’s post hoc).
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Table 4.S4. Estradiol equivalency factors for plastic-associated compounds
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CAS #
50-28-2
118-81-7
85-68-7
84-74-2
80-09-1
84-66-2
131-11-3
117-84-0
80:05-7
104-40-5
140-66-9
96-76-4

Compound
17-beta-estradiol
Bis(2-Ethylhexyl) phthalate
Butyl Benzyl Phthalate
Di-n-butyl Phthalate
Bisphenol S
Diethyl Phthalate
Dimethyl Phthalate
Di-n-octyl Phthalate
Bisphenol A
4-n-Nonylphenol
4-tert-Octylphenol
2,4,-di-tert-butylphenol

EEF
1.00
2.2E-07
1.4E-06
1.8E-08
9.2E-06
3.2E-08
1.1E-05
N/A
1.1E-05
2.3E-05
1.8E-04
1.6E-05

Source
ICCVAM (2011)
Ter Veld (2006)
Knepper (2003)
ICCVAM (2011)
Rochester and Bolden (2015)
Knepper (2003)
Murk (2002)
Knepper (2003)
ICCVAM (2011)
Knepper (2003)
ICCVAM (2011)
Akahori (2008)

Table 4.S5. Descriptive Statistics of Chemical EEQ Data
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Minimum
25% Percentile
Median
75% Percentile
Maximum
Mean
Std. Deviation
Std. Error of Mean

Fish
Digest
0.05310
0.1207
0.2635
0.2935
0.3484
0.2137
0.1003
0.02364

Seabird
Digest
0.0544
0.1506
0.3048
0.3383
0.9036
0.2901
0.1855
0.04373

Fish
Control
0.03221
0.1093
0.2370
0.2586
0.3124
0.1902
0.09297
0.02191

Seabird
Control
0.0325
0.1159
0.2534
0.2875
0.8718
0.2396
0.1854
0.04370

Table 4.S6. Chemical derived EEQs (ng/g) for digests of plastic items
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Plastic Item (polymer)
Control (100 mL)
Control (1,500 mL)
Toothbrush (LDPE+Nylon)
Lighter (POM)
Straw (PP)
Spoon (PS)
Strapping Cord (PP)
Fishing Line (Polyamide)
Small zip-lock bag (LDPE)
Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon + Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
Balloon (latex)
Rubber band (isoprene)
Styrofoam (PS)

Fish Digest
0.056
0.19
0.085
0.113
0.053
0.058
0.206
0.142
0.261
0.266
0.348
0.281
0.295
0.293
0.301
0.276
0.283
0.339

Means EEQs
Fish Control Seabird Digest
Seabird Control
0.057
0.057
0.06
0.19
0.25
0.188
0.032
0.248
0.243
0.067
0.033
0.025
0.052
0.077
0.08
0.056
0.095
0.085
0.201
0.283
0.283
0.141
0.141
0.141
0.254
0.246
0.246
0.248
0.308
0.227
0.312
0.395
0.293
0.287
0.904
0.872
0.234
0.335
0.251
0.253
0.349
0.255
0.24
0.334
0.236
0.247
0.315
0.228
0.273
0.302
0.232
0.279
0.376
0.322

Table 4.S7. Mean difference (ng/g) between chemical derived EEQs of plastic items and plastic-free control
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Toothbrush (LDPE+Nylon)
Lighter (POM)
Straw (PP)
Spoon (PS)
Strapping Cord (PP)
Fishing Line (Polyamide)
Small zip-lock bag (LDPE)
Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon + Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
Balloon (latex)
Rubber band (isoprene)
Styrofoam (PS)

Mean Difference
Seabird Fish
Seabird Seabird
Control Control Digest
Control
-0.04
-0.09
0.12
-0.07
-0.01
-0.06
-0.03
0.13
-0.07
-0.07
-0.06
-0.09
-0.07
-0.07
-0.1
-0.05
0.08
0.08
0.17
-0.03
0.02
0.02
-0.02
0.16
0.14
0.13
0.14
0.02
0.14
0.12
0.15
0.12
0.23
0.19
0.24
0.17
0.16
0.16
0.75
0.75
0.17
0.11
0.18
0.16
0.17
0.13
0.19
0.17
0.18
0.12
0.18
0.15
0.15
0.12
0.16
0.14
0.16
0.15
0.15
0.14
0.22
0.16
0.22
0.23

Additional information on cell bioassays
Growth and Maintenance
ER cell culture growth and maintenance were based on optimized protocol
(Rogers and Denison, 2000). All handling of cell culture was done with extreme care in a
UV-sterilized laminar flow cell culture hood and proper cell culture handling techniques
were followed (Coecke et al., 2007). Cell stocks were stored at 2x106 cells/mL in liquid
nitrogen in 2 mL cryovials. After thawing rapidly, centrifuging at 2,000xg and
resuspending cells in pre-warmed growth media, cells were seeded into 2xT75 tissuetreated cell culture flasks and grown in a dedicated tissue culture incubator at 37ºC, 90%
humidity and 5.0% CO2. Cells were monitored daily using an inverted phase microscope.
Cells were grown until they were 80-90% confluent, at which time they were either
propagated into new T75 flasks, plated into 96-well plates for MTT analysis, transferred
into assay media for receptor-binding analysis or frozen in liquid nitrogen (in RecoveryTM
Cell Culture Freezing Medium; Gibco®). In order to transfer cells, growth media was
aspirated, washed with 5mL phosphate-buffered saline (PBS) and incubated with 3 mL
0.05% trypsin-EDTA (in PBS) for 5 minutes. Following visual confirmation of cell
detachment, 10 mL of assay media was added to the cell suspension and centrifuged at
2,000xg for 5 minutes in a 50 mL conical tube. Then, media was poured out of the tube
and the cell pellet was resuspended in 1 mL of assay media. Cells were counted using a
hemocytometer and diluted to proper concentration.
MTT Cytotoxicity
This colorimetric assay measures cell’s ability to reduce MTT into formazan by
mitochondrial succinate dehydrogenase (van de Loosdrecht et al., 1994). The objective of
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the MTT assay was to optimize the concentration of SPE extracts of plastic digest
samples to ensure cells were healthy and would accurately report binding activity.
The method for the MTT assay was based on (van de Loosdrecht et al., 1994) and
is as follows. Cultured cells were plated at a density of 2×104 cells/100ul in each well of a
96-well plate in assay media. 24 hours later, cells were treated with either vehicle control,
various concentrations (1%, 0.5%, 0.25%, 0.05%) of the plastic digest SPE extracts or a
10% DMSO positive (toxic) control, all in duplicate. Sixteen hours later, cell solution
was removed from each well by inverting the 96-well plate onto a reservoir and tapping
the liquid out and replaced with 50 µl of MTT solution (5mg/ml in PBS, Sigma–Aldrich,
St. Louis, MO, USA), then incubated at 37◦C for 4 hours. The MTT solutions were then
replaced with 200 µl of a 1:1 mixture of DMSO:ethanol and were shaken (70 RPM,
orbital shaker) for 10min to solubilize the MTT. Absorbance was measured using an
automatic microplate reader (SpectraMax+ 384, Molecular Devices, San Jose, CA) at 595
and 650 nm. The ratio of 595/650 nm was then used to compare survival relative to the
solvent carrier control wells in each plate, with normalization to cell-free wells using the
following equation:

. Each

sample was then normalized to 4 replicate wells of 0.1% methanol control within each
plate in order to minimize inter-plate variability. 0.1% methanol is deemed to be nontoxic to ER cells based on optimized methods (data not shown). Concentrations of
extracts with low cytotoxicity (>80% live) were deemed suitable for the reporter assay.
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Estrogen Receptor binding activity assay
Biological receptor binding activity was based on the validated protocol
for the Vm7luc4E2 cell line (OECD, 2015). In order to reduce base-line estrogenic
activity, ER cells were stripped of estrogen-like compounds prior to seeding into 96-well
assay plates. Estrogen-stripping was accomplished by changing growth media to assay
media with daily media exchange. After three days in assay media, cells were transferred
from the culture flask into 96-well plates at a concentration of 2x104 cells/90µL
incubated for 24 hours. Then, 10 µL of biological digest SPE extracts in phenol-red free
DMEM were added at concentrations ranging from 0.5%-0.01% in well along with a 12point standard curve of 17-beta-estradiol (E2) standards (1.6x10-2 to 5.2x102 ng/L) and
corresponding methanol carrier controls. All samples were analyzed in duplicate
measurements within each plate, and in three independent plates (i.e. 3 biological
replicates). The plate was then incubated for 24 hours before analysis. After lysing cells
for 5 minutes, luciferase activity was measured in a GloMax® Multi+ Detection System
(Promega), with automatic injection of 50 µL of luciferase enzyme reagent to each well.
The measured relative light units (300-650 nm) were compared to the E2 standard curve
following background activity subtraction.
Descriptive statistics, including, mean, standard deviation and more are listed for
each plastic digest (all 16 plastic items) in Table 4.S8.Biological EEQ values (Mean, SD,
N=3) for each plastic digest are listed in Table 4.S9. Mean differences in chemical EEQ
estimates between plastic-free control (1,500 mL control, N=3 for each digest condition)
and plastic items are listed in Table 4.S10, including significance level (two-way
ANOVA; Dunnett’s post hoc).
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Table 4.S8. Descriptive statistics for biological EEQs
Fish
Bird
Fish
Digest
Digest
Control
Minimum
0.08103
0.07616
0.009025
25% Percentile
0.1158
0.2650
0.02595
Median
0.4929
0.6242
0.5114
75% Percentile
1.687
1.415
1.043
Maximum
7.527
8.989
2.133
Mean
1.830
1.630
0.6789
Std. Deviation
2.811
2.643
0.7324
Std. Error of Mean
0.7026
0.6608
0.1831
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Bird
Control
0.04749
0.2711
0.4541
0.7844
1.612
0.5858
0.4663
0.1166

Table 4.S9. Biological EEQs (ng/g) for digests of plastic items
Fish Digest
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Plastic Item (polymer)
Control (100 mL)
Control (1,500 mL)
Toothbrush (LDPE+Nylon)
Lighter (POM)
Straw (PP)
Spoon (PS)
Strapping Cord (PP)
Fishing Line (Polyamide)
Small zip-lock bag (LDPE)
Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon +
Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
Balloon (latex)
Rubber band (isoprene)
Styrofoam (PS)

Mean
0.017
0.02
0.135
0.137
0.081
0.101
0.992
0.336
1.814
0.109
1.307

SD
0.015
0.009
0.042
0.073
0.033
0.052
0.267
0.165
1.078
0.045
0.85

Saltwater
Control
Mean SD
0.027 0.015
0.01 0.001
0.025 0.003
0.028 0.028
0.343 0.273
0.013 0.01
1.091 0.73
0.902 0.458
0.857 0.842
0.009 0.007
0.081 0.082

Seabird
Digest
Mean SD
0.088 0.019
0.012 0.006
0.386 0.059
0.308 0.053
0.141 0.041
0.175 0.097
0.592 0.369
0.513 0.061
0.67 0.336
0.702 0.136
0.251 0.088

Freshwater
Control
Mean SD
0.008 0.004
0.008 0.005
0.331 0.132
0.383 0.059
0.447 0.246
0.269 0.045
0.787 0.484
0.461 0.172
0.534 0.014
1.612 0.917
0.278 0.293

0.108 0.029 0.011 0.007 0.076 0.003 0.047 0.013
7.179
0.508
7.501
0.478
0.958
7.527

3.408
0.233
5.237
0.341
0.9
2.611

0.68
0.777
2.117
0.247
2.133
1.548

0.373
0.106
1.499
0.278
0.877
0.736

8.989
0.657
2.881
1.581
0.918
7.247

2.775
0.211
0.899
1.219
0.387
0.877

1.419
0.777
0.555
0.147
0.115
1.212

0.324
0.106
0.077
0.103
0.06
0.158

Table 4.S10. Mean difference (ng/g) between Biologically-derived EEQs of plastic items and plastic-free control
Plastic Item (polymer type)
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Toothbrush (LDPE+Nylon)
Lighter (POM)
Straw (PP)
Spoon (PS)
Strapping Cord (PP)
Fishing Line (Polyamide)
Small zip-lock bag (LDPE)
Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon +
Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
Balloon (latex)
Rubber band (isoprene)
Styrofoam (PS)

Fish
Digest
-0.12
-0.12
-0.06
-0.08
-0.97
-0.32
-1.8
-0.09
-1.29

Mean Difference
Fish
Seabird
Seabird
Control
Digest
Control
-0.01
-0.34
-0.32
-0.01
-0.26
-0.37
-0.32
-0.09
-0.44
0.01
-0.12
-0.26
-1.07
-0.54
-0.78
-0.88
-0.46
-0.45
-0.84
-0.62
-0.53
0.01
-0.65
-1.6
-0.06
-0.2
-0.27

-0.09

0.01

-0.03

-0.04

-7.16
-0.49
-7.48
-0.46
-0.94
-7.51

-0.66
-0.76
-2.1
-0.23
-2.12
-1.53

-8.94
-0.61
-2.83
-1.53
-0.87
-7.2

-1.41
-0.77
-0.55
-0.14
-0.11
-1.2

Correlation of biological and chemical-based EEQ values
Normality of analytical and biological EEQ data were tested using the ShapiroWilk’s test for normality. Since data passed the normality test, a two-tailed parametricbased Pearson correlation coefficient test was used to test correlations between biological
and chemical-based EEQs using Graphpad® Prism. Pearson r correlation values, linear
regression correlation coefficients (R2) and two-tailed p values are listed in Table 4.S4.

Table 4.S11. Correlations between biological and analytically determined
EEQ values
Digest Group
Fish Control
Fish Digest
Seabird Control
Seabird Digest
Total (64 pairs)

Pearson r R2
P (2-tail)
0.4 0.16
0.1
0.47 0.22
* 0.047
-0.05 0.003
0.83
0.13 0.02
0.6
0.17 0.03
0.17
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in vitro EEQ (ng/g)

100
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1
0.1
0.01

0.001
0.01
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1

10

100

Chemical EEQ (ng/g)
Figure 4.S4. Comparisons of Chemical and biological EEQs. Each data point
represents the mean chemical and biological EEQ value of a plastic item digested in one
of four conditions: seabird digest, seabird control, fish digest, fish control. The solid
diagonal line displays a 1:1 correlation between biological and chemical EEQs, and the
dotted lines represent the mean values from the 1,500 mL plastic-free control samples,
below which point data points are effectively below the limit of quantification. X- and yaxes are on log10 scale.
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Plastic-Free Control
Toothbrush (LDPE+Nylon)
Lighter (POM)
Straw (PP)
Spoon (PS)
Strapping Cord (PP)
Fishing Line (Polyamide)
Small zip-lock bag (LDPE)
Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon + Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
Balloon (latex)
Rubber band (isoprene)
Expanded polsytyrene (PS)
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10 g/L pepsin
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Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
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Water-bottle Cap (HDPE)
Toothpaste tube Cap (PP)
Braided Rope (nylon + Polyester)
Shopping bag fragment (PE)
Plastic Wrap (LDPE)
String (PP)
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Shopping bag fragment (PE)
Plastic Wrap (LDPE)
Green String (PP)
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Figure 4.S5. Chemical and Biological EEQ values of plastic items. Biological estradiol
equivalency values (EEQ, ng/g) of plastic items digested in seabird conditions (I) and fish
conditions (II). Chemical-based estimates of estradiol equivalency values (EEQ, ng/g) of
plastic items digested in seabird conditions (III) and fish conditions (IV).

Chapter 5: Negligible effects on visual function and CYP1A induction from
ingestion of benzo(a)pyrene-sorbed polystyrene by White Seabass (Atractoscion
nobilis)
Abstract:
Plastic marine debris hyper-concentrates hydrophobic contaminants, such as
polycyclic aromatic hydrocarbons (PAHs) and can transfer sorbed contaminants to biota
that ingest it. PAHs are known to cause cardiotoxic and visual toxicity at sublethal doses.
Juvenile White seabass (Atractoscion nobilis) were fed environmentally-relevant
concentrations of either virgin polystyrene or benzo(a)pyrene (BaP)-sorbed polystyrene
for 5 days and were monitored for changes in visual function and hepatic cytochrome
p450 1A (CYP1A) enzyme activity. No significant differences in the monitored
endpoints were recorded in fish that ingested either polystyrene or BaP-sorbed
polystyrene relative to control fish. However, fish exposed to 1µM BaP as a positive
control had significantly elevated CYP1A enzyme activity (p=0.046) and impaired visual
function (p=0.006) relative to control fish. These results demonstrate that pelagic fish
ingesting environmentally-relevant concentrations of BaP-sorbed polystyrene do not
demonstrate measurable changes in CYP1A activity nor visual function. This study also
confirms that BaP causes visual impairment in the pelagic species White seabass and is
the first to use it as a model species for the monitoring of behavioral and cellular
biomarkers due to BaP exposure.
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Introduction
Given the relatively high quantities of plastic debris in the marine environment (at
least 5 trillion particles weighing 250 million kilograms) (Eriksen et al., 2014), and the
visual similarities of some plastic items to natural prey (Choy and Drazen, 2013), the
ingestion of plastic by biota is likely to occur. In fact, plastic ingestion has been
documented for 233 marine species, including 92 species of fish, 59% of whales, 100%
of marine turtles, 36% of seals, 59% of seabirds and 6 species of invertebrates (Kühn et
al., 2015; Wilcox et al., 2015). The size of plastic particles ingested is limited by the size
of the ingesting organism, such that relatively smaller organisms, like developing fish,
are likely to ingest relatively smaller particles. Due to the breakdown of plastics from
weathering, 92% of plastic particles in the ocean are less than 4.75 mm in size (Eriksen et
al., 2014). Considering the enhanced susceptibility of fish to environmental stressors
during early development, their increased likelihood to encounter plastic within an
ingestible size range, and their diminished ability to distinguish plastic from prey relative
to their mature counterparts (de Sá et al., 2015), it is imperative to examine the potential
health effects of plastic ingestion in developing fish.
Due to the hydrophobic nature of plastic, polycyclic aromatic hydrocarbons
(PAHs) are likely to sorb to plastic at similar concentrations as to organic carbon (Lee et
al., 2014; Velzeboer et al., 2014), allowing plastic particles to become a long-term sink
for these and other pollutants in the marine environment (Wang et al., 2016). Owing to
plastic’s relatively long lifetime in the marine environment (estimated to be months to
centuries) (Worm et al., 2017) and a high potential for transport (Zarfl and Matthies,
2010), plastic has been investigated as a carrier of contaminants. Sorption of high
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molecular weight PAHs to plastic has been confirmed in the environment, with fragments
recovered from beaches in Los Angeles, CA showing a dominance of four- and five-ring
PAHs over two- and three-ring PAHs (ratio of 4.3:1) (Rios et al., 2007). While the
principal source of the sorbed PAHs is believed to combusted fuel from the environment
(Rios et al., 2007), plastic may also be the source of PAHs, as virgin polystyrene foam
has been found to contain PAHs ranging from 79-97 ng/g (Coffin et al., 2018; Rochman
et al., 2013d).
PAHs have been shown to adversely impact early life-stage fish through a variety
of mechanisms (Incardona et al., 2011). High molecular weight PAHs (4-6 ring
compounds) have a relatively high affinity for the aryl hydrocarbon receptor (AhR)
(Barron et al., 2004b), which is believed to cause cardiotoxic effects in developing fish
by disrupting cardiac ion channels (Brette et al., 2014). Visual impairment in fish as a
result of exposure to PAHs also occurs through an AhR-dependent pathway (Chambers et
al., 2012; Colavecchia et al., 2007; Huang et al., 2013), and may greatly impair the
survival of fish in the wild by hindering feeding and prey-predator responses (Whyte et
al., 2000). Fathead minnow (Pimephales promelas) and white sucker (Catostomus
commersoni) larvae exposed to oil sands showed significantly affected indices of total
eye pathology that correlated highly with CYP1A protein concentrations in kidneys
(Colavecchia et al., 2007). Additionally, exposure to 0.2µM phenanthrene during the
embryonic stage caused morphological changes, developmental retardation, apoptosis,
and reduction of cell proliferation in the retina in zebrafish (Danio rerio); effects which
were positively correlated with AhR at the transcriptional and translational level in the
retina (Huang et al., 2013). Red drum (Sciaenops ocellatus) and sheepshead minnow
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(Cyprinodon variegatus) exposed to oil during the larvae stage experienced reductions in
visually-mediated optomotor responses and retinal histological differences(Magnuson et
al., 2018). Adverse effects of PAHs on visual performance have been shown to occur at
multiple life stages in different species of fish (Chambers et al., 2012; Colavecchia et al.,
2007; Whyte et al., 2000). Additionally, PAHs may cause AhR-independent adverse
outcomes in fish (Incardona et al., 2005), such as impaired swimming performance
(Barron et al., 2004a; Oliveira et al., 2012a).Sub-lethal effects at the organismal level
such as alterations of behavior and bioenergetics may be predictive of effects at higher
levels of organization and accordingly are useful biomarkers for informing ecological
risk assessments (Goodchild et al., 2018).
The role of plastic as a vector for sorbed contaminants to biota have been
explored in several laboratory (Besseling et al., 2013b; Browne et al., 2013) and
modeling studies (Bakir et al., 2016; Koelmans et al., 2016); however, few studies have
been conducted on fish (Rochman et al., 2013c; Wardrop et al., 2016). Models have
demonstrated plastic to be either a negligible or even inverse contributor of hydrophobic
contaminants to marine biota (Bakir et al., 2016; Koelmans et al., 2016). Although the
desorption rate of PAHs from plastic to organisms is lower than that of sediment (Wang
and Wang, 2018), the concentrations of PAHs on plastics in the marine environment are
much higher than in sediment (Teuten et al., 2007) so sub-lethal organismal effects such
as visual impairment could occur from the ingestion of PAH-sorbed plastic.
In addition to acting as a vector of pollutants to biota, ingested plastic can cause
harm through direct and indirect physical effects. Plastic is known to cause a false feeling
of satiation, leading to reduced food intake and possible starvation (Wang et al., 2018).
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Reductions in predatory performance have been observed in common gobies
(Pomatoschistus microps) exposed to microplastics- an effect which was attributed to a
reduction in food intake, leading to diminished fitness (de Sá et al., 2015). Ingestion of
plastic has also been shown to increase the mortality rate of young fish (Mazurais et al.,
2015). Due to plastic’s ability to cause harm through both physical mechanisms and the
transfer of adsorbed pollutants, it is considered to be a stressor with multiple targets
(Rochman, 2013), necessitating the measurement of a multiplicity of endpoints when
assessing harmful effects to exposed fish.
White seabass (Atractoscion nobilis), like most marine fish species, exhibit a
relatively extended pelagic planktotrophic larval period (approximately 42 days posthatch) (Margulies, 1989) and are likely to encounter and ingest microplastic particles
during highly susceptible developmental stages. In addition to being a useful model
species for pelagic fish, White seabass are widely considered to be an important
commercial and sport fish (Vojkovich and Reed, 1983). Consequently, impacts of plastic
ingestion to White seabass in the wild and in aquaculture may carry both ecological and
economic consequences.
To assess the potential for polystyrene to transfer sorbed PAH’s and cause
toxicity through both physical and chemical-associated mechanisms, we exposed juvenile
(45 dph) White seabass to virgin and benzo(a)pyrene-sorbed polystyrene for 5 days, then
monitored changes in visual and energetic-related behavior as well as CYP1A enzyme
activity.
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Methods
Sorption of BaP to polystyrene
Polystyrene (PS) was chosen as a polymer type in this study due to its high
frequency of detection in the marine environment (Eriksen et al., 2014). Expanded
polystyrene was obtained by breaking pieces of polystyrene foam (ULINE, Pleasant
Prairie, WI), then separating fragments by size using a series of sieves placed in the
following order (3.36, 2.83, 2.00, 1.4) in a RO-TAP RX-29 automated Sieve Shaker
(W.S. Tyler, Mentor, Ohio). The size fraction between 2.00-2.83 mm was used for all
feeding experiments, as this was a similar size to the artificial pellets, which the seabass
were consuming at that developmental stage. Polystyrene microparticles (100 g) were
incubated for 45 days in 2 liters of 1 µg/L benzo(a)pyrene (BaP) in an orbital shaker at
100 rotations-per-minute at 28°C. The concentration of 1 µg/L BaP was chosen as a high,
yet environmentally relevant concentration, as concentrations up to 4.8µg/L have been
measured in bays (Zhou and Maskaoui, 2003). The timepoint of 45 days was selected due
to its predetermined equilibrium of the plastic with BaP (Lee et al., 2014).
Fish Husbandry
Juvenile (45 days post hatch; dph) White seabass (Atractoscion nobilis) were
obtained from the Hubbs-SeaWorld Research Institute finfish hatchery in Carlsbad, CA,
USA. The 45 dph time-point was chosen because at 16 dph, their diet transitions from
live Artemia metanauplii onto a synthetic food blend (Galaviz et al., 2011), and at 35dph
they are large enough to consume most plankton-sized plastic (2-4 mm) (Mark
Drawbridge, personal communication). The juveniles were kept at 28°C in 25-L tanks
containing artificial seawater (32 psu, Instant Ocean®, Spectrum Brands, Blacksburg,
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VA) at a 16:8 light-dark cycle under static conditions with a daily 50% water change.
Fish were acclimated in tanks for one week before exposure. The fish were fed a
formulated diet based on corn gluten meal consisting of 10 % fish meal and other
nutrients, which was optimized previously (Jirsa et al., 2015).
Exposure
White seabass fish were exposed to one of six treatment types: plastic-free
(negative control), 1 µg/L BaP (low positive control), 252 µg/L BaP (high positive
control), virgin polystyrene and BaP-sorbed polystyrene. The concentration of 252 µg/L
BaP was chosen as a positive control due to the observation in previous studies of
significant induction of CYP1A (measured via EROD assay) in zebrafish (Danio rerio)
(Batel et al., 2016). It was discovered that when fish were kept in tanks alone, they
exhibited visually-apparent anxiety. To remedy this, fish were subsequently kept together
in small groups of 2-3 fish per tank. Each exposure was carried out in 3-5 replicate tanks.
Fish were exposed to polystyrene at the environmentally relevant concentration of 320
particles/m3 (i.e. 8 particles per 25L tank). Concentrations of plastic pellets have been
observed above this concentration in the Los Angeles River (364 particles/m3)(Moore et
al., 2011), and over an order of magnitude higher in urban Chinese estuaries (4,100
particles/m3) (Zhao et al., 2015). In order to reduce the amount of BaP that desorbs from
the plastic into the water, if the plastic particle was not consumed with 2 minutes, the
particle was removed from the tank. Ingestion and strikes of plastic were visually
documented within the 2-minute periods and recorded (Table 5.S1). Fish were fed plastic
twice daily for 5 days. Following exposure to plastic particles, fish were fed artificial
feed. On the fifth day of exposure, fish were subjected to behavioral and phototactic
252

response assays. Fish were euthanized using MS-222 (1 g/L) and dissected 6 days after
beginning exposure and were not fed or exposed on that day.
Phototactic Response
A simple phototactic behavioral assay was used to test for visual impairment. The
phototactic assay measures a fish’s sensitivity to light, based on the assumption that a
non-visually impaired fish should spend most of their time in the light in order to avoid
predators (Brockerhoff et al., 1995). This simple assay has been shown to be a sensitive
indicator of impaired visual function in zebrafish exposed to 2µM phenanthrene, with a
demonstrated 3-fold reduction in responsiveness to light relative to control fish (Huang et
al., 2013).
The phototactic response of white seabass was measured using a simple dualchamber described in Brockerhoff et al. (1995). Fish were placed with their respective
exposure groups into a 30.5x15.2x20.3 (length×width×height; cm) tank with a sliding
partition separating two chambers (referred to as chamber A and B). Following a fiveminute adjustment period, fish were partitioned into chamber B and were kept in
complete darkness for 5 minutes. The middle partition was then removed, allowing fish
to swim into chamber A, which was exposed to 100 lux light (chamber B was kept dark
using black covers on five sides). The number of fishes in the lit part of the tank
(chamber A) were counted at 10, 30, 60, 90- and 120-seconds following removal of the
middle partition. After each trial, fish were switched to the opposite side of the tank in
order to avoid conditioning or preference for either side. Five trials were conducted for
each group of fish.
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CYP1A Induction (EROD Analysis)
As the gene for CYP1A has not been characterized for White seabass, CYP1A
enzyme activity was used as biomarker for exposure to AhR agonists (i.e. BaP).
Quantification of the activity of 7-ethoxyresorufin O-deethylase (EROD) in the
microsomal liver fraction was used to measure CYP1A catalytic activity (Stegeman and
Lech, 1991). The procedure for the generation of microsomal pellets and EROD analysis
was adapted from the optimized procedure as described in (Mohammadi-Bardbori, 2014).
Following sacrifice with MS-222 (1 g/L), liver tissues were excised, rinsed with
ice-cold 1.15% KCL solution, were flash-frozen in liquid nitrogen, then were stored at 80ºC until being processed for EROD analysis (2 days following). Liver samples (kept on
ice) were homogenized in 5 mL of 10 mM TrisHCl buffer containing 250 mM sucrose
(pH 7.4). The homogenate was then centrifuged at 10,000x g for 10 minutes at 4ºC to
yield a post-mitochondrial supernatant. The pellet was removed and 8 mM CaCl was
added to the post-mitochondrial supernatant, mixed well and allowed to stand for 4
minutes at 4ºC. The supernatant was then centrifuged at 25,000x g for 30 minutes at 4ºC
to separate the microsomal and cytosolic fractions. The microsomal pellet was
resuspended in 50 mM TrisHCl containing 0.1 mM EDTA and 20% glycerol (pH 7.4).
Protein concentrations in the microsomal pellets were measured using the Bradford
(1976) method with bovine serum albumin as a standard. Microsomal pellets were diluted
to 1 mg protein/mL and analyzed for EROD activity.
To assess EROD activity, microsomal pellets were incubated with 0.5 μM 7ethoxyresorufin in a buffer consisting of 50 mM NaHPO4 and NaH2PO4 (pH=8.0) at 37ºC
for 10 minutes in a black 96-well plate. NADPH (prepared directly before use and
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shielded from light) was then added to the pellet-buffer solutions for a final concentration
of 0.5 mM. Fluorescence was measured every minute for 45 minutes at 535/590
(excitation/emission) using a Wallac Victor II fluorescence plate reader (Perkin Elmer,
Waltham, NY, USA). Concentrations of resorufin were interpolated from an 8-point
standard curve ranging from 0.1 to 100 μg/mL (linear regression, R2=0.998). Resorufin
conversion rates (reported as pMol resorufin/min/mg protein) were determined for
microsomal fractions by linear regression.
Statistics
All statistical analyses were carried out using Prism6 (Graphpad©, San Diego, CA,
USA) at the 5% significance levels. Data were analyzed for normality and homogeneity
of variance before being subjected to analysis of variance (ANOVA) or t-tests.
Results
Ingestion of polystyrene
In the virgin polystyrene exposure group, White seabass struck at polystyrene
particles an average of 1.2±0.31 (mean ±standard deviation) times x fish-1 x day-1 and
ingested an average of 0.48±0.07 particles x fish-1 x day-1. In the BaP-sorbed polystyrene
exposure group, White seabass struck at polystyrene particles an average of 1.3±0.26
times x fish-1 x day-1 and ingested an average of 0.48±0.13 particles x fish-1 x day-1. There
were no significant differences in the number of strikes nor ingested polystyrene particles
by exposure type (p=0.82 and p>0.99, respectively; t-test, N=3 tanks with 2-3 fish per
tank).

255

Phototactic Assay
Analysis of statistical differences between the percentage of fish in the lit
chamber at multiple time points across all exposure groups with two-way ANOVA
revealed significant main effects of time point (F4,60=10.45, p<0.0001) and exposure type
(F4,60=13.99, p<0.0001), with no significant interaction between main effects (F16,60=0.47,
p=0.95). Longer time points had significantly higher percentages of fish in the lit
chamber, such that at 10 seconds, 21±19 % of fish had entered the lit chamber across all
exposure groups and at 120 seconds, 74±43% were in the lit chamber. The 252 µg/L BaP
positive control group had significantly lower percentages of fish in the lit chamber
relative to control at 3 out of 5 time points (Table 5.S.2), with the most significant
difference relative to control being observed at 120 seconds (p=0.006, Dunnett’s posthoc) (Figure 5.1). The phototactic responses of the 1µg/L BaP positive control, virgin
polystyrene and BaP-sorbed polystyrene exposure groups were not significantly different
from the control group at any time point (p=0.96, p=0.95 and p=0.30, respectively).
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Figure 5.1. Phototactic response of White seabass. Seabass exposed to low (1µg/L) and
high (252 µg/L) benzo(a)pyrene (BaP) positive controls, polystyrene (PS) and BaPsorbed PS are compared. Data are represented as box-plots, which display the minimum,
first quartile, median, third quartile and maximum. Values represent the percentage of
fish in the lit chamber 120 seconds after the removal of the middle partition of the test
chamber. Higher values indicate an expected behavioral response to light. Each data point
represents the average response of 5 trials with a single tank of 2-3 fish (N=3-5).
Statistical differences are denoted with asterisks (** p<0.01; one-way ANOVA,
Dunnett’s post hoc).

257

CYP1A Induction (EROD Analysis)
EROD activities with treatment groups were analyzed using a non-parametric oneway ANOVA due to significantly non-normally distributed data in the BaP-sorbed
polystyrene exposure group (p=0.045; D'Agostino & Pearson omnibus normality test).
Analysis of EROD activity of White seabass liver microsomes revealed significant
differences overall (p=0.0006; Kruskal-Wallis test). Dunn’s post-hoc test revealed
significant differences between the positive control group (252 µg/L BaP) and negative
control (p=0.046) (Figure 5.2). No other exposure groups were significantly different
from control (α=0.05).

Figure 5.2. EROD activity of White seabass. EROD activity of seabass exposed to low
(1µg/L) and high (252 µg/L) benzo(a)pyrene (BaP) positive controls, polystyrene (PS)
and BaP-sorbed PS for 5 days are compared. Data are represented as box-plots, which
display the minimum, first quartile, median, third quartile and maximum. Values
represent the protein-normalized conversion rate of resorufin by liver microsomes as
determined by linear regression over 45 minutes. Higher values indicate an induction of
CYP1A enzyme, implying AhR activity. Each data point represents a single fish (N=412). Statistical differences are denoted with asterisks (** p<0.01; one-way ANOVA,
Dunnett’s post hoc).
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Discussion
Plastic as a Vector for BaP
The role of ingested plastic being a vector for hydrophobic contaminants to fish
has been investigated in several laboratory-based studies (Rochman et al., 2013c;
Wardrop et al., 2016). These studies have shown that plastic can act as a vector, but such
experiments have received criticism due to their lack of consideration for other routes of
dietary exposure (Koelmans et al., 2016). Naive organisms exposed to high quantities of
contaminant-spiked plastic confirm that polymers can act as a carrier material for
contaminants towards media with lower than equilibrium fugacity (Koelmans et al.,
2016). While these studies may be useful in deriving transfer rates of chemicals between
the gut and plastic, their extrapolation to environmental scenarios is limited. In reality,
organisms are exposed to chemicals through multiple routes, such as water, food and
sediment, which, when accounted for in model studies, show plastic to have either a
negligible or even beneficial effect on transferring pollutants to/from organisms (Bakir et
al., 2016; Koelmans et al., 2013). Despite these estimates from models, it is important to
empirically test the interactive effects of plastic as both a transfer mechanism for
pollutants and a physical stressor.
Visual Impairment
To date, this study is the first to indicate BaP’s ability to impair visual function in
White seabass (Atractoscion nobilis), as evidenced by the phototactic behavioral assay.
Previous studies have correlated exposure to PAHs with impaired phototaxis response,
retina size, visual acuity, and congenital anomalies in various species (Pimephales
promelas, Catostomus commersoni, Coryphaena hippurus, Salminus brasiliensis,
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Oncorhynchus mykiss) (Carvalho et al., 2008; Colavecchia et al., 2007; Tillitt and
Carvalho, 2004; Xu et al., 2016). Since most studies monitoring for visual impairment
have exposed fish to either mixtures of PAHs or phenanthrene alone, it is difficult to
compare the relative sensitivities of other species to White seabass. However, since
effects on visual function were observed at only one aqueous exposure, causation cannot
be fully proven, as a dose-response relationship was not established.
Ingested BaP-sorbed polystyrene did not transfer sufficient quantities to White
seabass to induce functional changes in vision. While it is possible that PS transferred
BaP to the fish, the threshold for ocular toxicity nor CYP1A induction was not reached in
this study. It was determined that a low concentration of 1 µg/L BaP was not sufficient to
cause changes in phototactic response.
EROD Activity
In White seabass that ingested BaP-sorbed polystyrene, CYP1A enzyme activity
(measured using the EROD assay) was not significantly induced relative to the plasticfree control group. While thresholds for significant CYP1A enzyme induction have not
been previously determined in White seabass, the lowest observed effect concentration
reported in this study is 252 µg/L BaP, with no significant activity observed at 1 µg/L
BaP. Thus, it is possible that BaP-sorbed polystyrene was able to transfer BaP to seabass,
but the concentrations were below detectable enzyme activity threshold concentrations.
Because plastic has a higher affinity for PAHs than sediment, plastic also releases PAHs
at a slower rate (1.9-3.1 times slower than natural sediment) (Wang and Wang, 2018),
likely making it a relatively less important transfer mechanism for contaminants (Bakir et
al., 2016).
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Conclusions
Juvenile White seabass were fed virgin polystyrene or polystyrene sorbed with
benzo(a)pyrene and monitored for CYP1A enzyme activity using the EROD assay and
visual impairment using a phototactic assay. Neither polystyrene nor BaP-sorbed
polystyrene-exposed fish demonstrated significant differences in the monitored cellular
or behavioral endpoints relative to control fish. The positive control group (252 µg/L
BaP) had significantly higher CYP1A enzyme activity and impaired visual function
relative to control fish. This study suggests the pelagic species White seabass may be a
model for the monitoring of behavioral and cellular biomarkers due to exposure to PAHs.
These results also demonstrate that pelagic fish ingesting environmentally-relevant
concentrations of BaP-sorbed polystyrene do not demonstrate measurable changes in
CYP1A activity nor visual function.
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Supplemental Information
Table 5.S1. Strike and Ingestion Rates of Plastic by White Seabass

P.S
BaP + P.S.

Average
strike per
day per fish S.D.
1.24
1.30

Average
ingest per
day per fish S.D
0.31
0.48
0.26
0.48

0.07
0.13

Table 5.S2. Average fish in lit chamber at multiple time points
Average
t=10 sec
t=30 sec
t=1 min
t=90 sec
t=120 sec
BaP (1 ug/L)
23.33%
66.67%
96.67%
96.67%
96.67%
BaP (252 ug/L)
0.00%
3.00%
31.00%
16.00%
14.00%
Control
43.20%
72.03%
83.67%
87.00%
88.80%
Virgin P.S.
33.33%
55.56%
77.78%
88.89%
93.33%
P.S. + BaP
3.33%
54.44%
68.89%
71.11%
77.78%
Standard
Deviation
BaP (1 ug/L)
BaP (252 ug/L)
Control
Virgin P.S.
P.S. + BaP

t=10 sec
4.71%
0.00%
18.28%
29.23%
6.21%

t=30 sec
34.83%
4.24%
19.35%
47.07%
30.09%
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t=1 min
63.83%
41.01%
14.05%
35.60%
27.99%

t=90 sec
56.33%
5.66%
11.10%
27.18%
27.64%

t=120 sec
55.33%
2.83%
7.56%
24.29%
26.26%

Chapter 6: Conclusions
The majority of research of plastic marine debris has focused on small fragments
or “micro-plastics,” with very few studies focusing on larger “macro-sized” pieces, which
may be more present in riverine and estuarine environments.
The hypothesis that plastic can leach estrogenic additives and toxic adsorbed
contaminants in low-flow estuarine environments to developing fish was tested. Plastic
recovered from the North Pacific Gyre was used as a proxy for contaminant-sorbed
plastic and was matched with a set of virgin plastic items and another set of virgin plastic
items that were subjected to natural UV-irradiation in saltwater for 30 days to simulate
estuarine conditions. Plastic leachates were extracted from each of these three conditions
and tested for estrogenic and aryl hydrocarbon receptor chemicals using analytical
chemistry and were screened for biological activity using quantitative in vitro receptorbinding assays in cells and in vivo assays in larval Japanese medaka (Oryzias latipes)
fish.
Leachates from virgin plastic had limited in vitro and in vivo biological activities
of ER and AhR. Following irradiation, plastic leachates trended towards higher AhR
activity based on the non-significant trend towards higher induction of cyp1a1 mRNA in
vivo, and significant in vitro AhR-activation, which was determined to be due mostly to
desorbed intrinsic PCBs. Moreover, in vitro and in vivo estrogenicity bioassays were
significantly higher relative to control, which was attributed to the desorption of the
plastic additives BPA and 4-tert-octylphenol. The AhR- and ER-dependent effects of
plastic-leachates increased significantly with longer exposure in the environment likely
due to enhanced weathering and the desorption of adsorbed hydrophobic organic
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contaminants, including PCBs and PAHs, as evidenced by North Pacific Gyre-recovered
plastic. Based on the conclusions from this study, more concern should be given to the
eco-toxicological effects of leachates of macro-sized plastic, especially in low-flow
ecosystems, such as estuaries, rivers and tide pools, which may have relatively high
aqueous concentrations of macro-sized plastic compared to areas with a strong dilution
potential such as the open ocean.
In addition to leaching contaminants and additives through aqueous
desorption, plastic may also transfer chemicals to biota through ingestion. An important
question regarding the transfer of estrogenic additives from plastic during ingestion is the
effect of size on transport potential. Additionally, since plastic contains a wide range of
added chemicals, many of which lack data regarding their endocrine-disrupting potential,
the use of an in vitro bioassay coupled with analytical chemistry is highly useful in
accurately assessing biological effects and potentially determining the chemicals that are
responsible for the biological activity. Fish and invertebrates are known to ingest
polystyrene at relatively high quantities in the marine environment (Cheung et al., 2018;
Graham and Thompson, 2009), but the extent to which plastic causes harm through the
release of additives is unknown.
In order to test the hypothesis that smaller sized particles release more additives
than larger particles under physiological conditions, polystyrene particles ranging from
0.5 to 9.5 mm were exposed under artificial digestive conditions, then assessed for
estrogenic activity using a reporter in vitro bioassay and screened for 12 estrogenic
plastic additives using analytical chemistry. Chemical estimates of estrogenicity were
significantly correlated with receptor-based activity for invertebrate and saltwater control
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conditions, but no significant correlations were found for the plastic digested under
vertebrate conditions. Additionally, all three digestion conditions showed a significant
correlation between particle surface area and receptor-based estrogenicity, but chemical
estimates of estrogenicity were not significantly correlated with particle surface area,
suggesting that other non-targeted compounds may be responsible for the observed
biological estrogenicity. Neither vertebrate nor invertebrate gut conditions significantly
enhanced receptor-based estrogenic activity; however, DEHP concentrations were
significantly higher in invertebrate gut conditions than in saltwater conditions. Based on
the results from this study, future studies aimed at determining the transfer of endocrinedisrupting compounds to biota that ingest plastic should focus on small particle sizes
(<2mm) and utilize biological-based endpoints (in vitro or in vivo) partnered with
analytical chemistry to determine causative agents.
Since plastic marine debris is a highly diverse, heterogenous mixture made of an
infinitely complex combination of chemicals and polymer types, hazard assessment of
ingested plastic should be carried out on a variety of plastic items which are
representative of the most commonly ingested items. Seabirds are known to ingest plastic
at relatively high rates, and tissue concentrations of harmful plastic additives have been
positively correlated with ingested plastic numbers (Tanaka et al., 2013b). Despite these
correlations, the ability of plastic to transfer plastic additives to seabirds and other biota is
not well understood.
In order to test the hypothesis that plastic can transfer estrogenic plastic additives
to seabirds and fish, sixteen commonly-ingested identifiable plastic items were exposed
to artificial seabird and fish gut conditions, then were screened for estrogenic activity
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using a combination of a highly sensitive light-activated estrogen receptor bioassay and
targeted analytical chemistry of 12 plastic additives. Both seabird and fish gut conditions
significantly enhanced the biological estrogenicity of three of sixteen plastic items
relative to their respective controls. Seabird and fish gut conditions caused an overall
significant increase in biological estrogenicity. While there were no significant
differences in the biological estrogenicity elicited by seabird and fish gut conditions,
chemically-estimated estrogenicity was significantly higher in seabird gut conditions
relative to fish gut conditions. Averaged across all 16 plastic items, BPA and DEHP
concentrations were significantly increased in seabird gut conditions relative to control
conditions and BBP concentrations were significantly increased in fish gut conditions
relative to control conditions. The enhanced desorption of BPA, DEHP and BBP did not
adequately account for the measured increases in biological estrogenicity by seabird and
fish gut conditions, suggesting other non-targeted plastic additives are enhanced by both
gut conditions. Based on the discrepancies observed between chemical estimates of
estrogenicity and observed biological estrogenicity, we conclude that ecological risk
assessments dealing with the ingestion of plastic debris by biota based solely on targeted
chemicals may under-estimate risk.
In addition to estrogenic plastic additives, plastic may also transfer adsorbed toxic
chemicals which concentrate at high quantities on plastic. For instance polycyclic
aromatic hydrocarbons (PAHs) are known to sorb strongly to plastic and have been
shown to desorb to biota under simulated gut conditions (Bakir et al., 2014a; Teuten et
al., 2007). PAHs are known to cause cardiotoxic and visual toxicity at sublethal doses
(Huang et al., 2013; Incardona and Scholz, 2016). Pelagic fish species are known to
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ingest polystyrene under estuarine conditions (Cheung et al., 2018), in which they may be
most sensitive to the developmental toxicity effects of PAHs (Incardona et al., 2014).
In order to test the hypothesis that plastic may cause harm to developing pelagic
fish species by the transfer of PAHs via ingestion, juvenile White seabass (Atractoscion
nobilis) were fed virgin polystyrene or polystyrene sorbed with benzo(a)pyrene and were
monitored for CYP1A enzyme activity using the EROD assay and visual impairment
using a phototactic assay. Neither polystyrene nor BaP-sorbed polystyrene-exposed fish
demonstrated significant differences in the monitored cellular or behavioral endpoints
relative to control fish. The positive control group (1µM BaP) had significantly higher
CYP1A enzyme activity and impaired visual function relative to control fish. These
results demonstrate that pelagic fish ingesting environmentally-relevant concentrations of
PAH contaminated polystyrene do not demonstrate measurable changes in CYP1A
activity nor visual function.
In summary, plastic can cause harm to a variety of species including invertebrate
sediment-dwelling organisms, fish and seabirds through the desorption of estrogenic
additives and potentially adsorbed contaminants via ingestion or aqueous exposure in
low-flow environments such as estuaries. The finding of in vitro estrogenic effects of
extracts of plastic digests and leachates without strong correlations to chemicallypredicted estrogenicities demonstrates the need for further testing of plastic using a
combination of bioassays and non-targeted chemical analysis. Moreover, the finding that
plastic releases estrogenic additives under simulated physiological conditions and
environmentally-relevant estuarine conditions suggests a strong potential for harm from
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plastic to marine ecosystems. Further research is needed to investigate the potential for
plastic to transfer estrogenic additives through ingestion and aqueous desorption.

273

References
Bakir, A., Rowland, S.J., Thompson, R.C., 2014. Enhanced desorption of
persistent organic pollutants from microplastics under simulated physiological
conditions. Environ. Pollut. 185, 16–23. doi:10.1016/j.envpol.2013.10.007
Cheung, L.T.O., Lui, C.Y., Fok, L., 2018. Microplastic contamination ofwild and
captive flathead grey mullet (Mugil cephalus). Int. J. Environ. Res. Public Health 15.
doi:10.3390/ijerph15040597
Gall, S.C., Thompson, R.C., 2015. The impact of debris on marine life. Mar.
Pollut. Bull. 92, 170–179. doi:10.1016/j.marpolbul.2014.12.041
Graham, E.R., Thompson, J.T., 2009. Deposit- and suspension-feeding sea
cucumbers (Echinodermata) ingest plastic fragments. J. Exp. Mar. Bio. Ecol. 368, 22–29.
doi:10.1016/j.jembe.2008.09.007
Houde, E.D., 1997. Patterns and trends in larval-stage growth and mortality of
teleost fish. J. Fish Biol. 51, 52–83. doi:10.1111/j.1095-8649.1997.tb06093.x
Huang, L., Wang, C., Zhang, Y., Wu, M., Zuo, Z., 2013. Phenanthrene causes
ocular developmental toxicity in zebrafish embryos and the possible mechanisms
involved. J. Hazard. Mater. 261, 172–180. doi:10.1016/j.jhazmat.2013.07.030
Incardona, J.P., Gardner, L.D., Linbo, T.L., Brown, T.L., Esbaugh, A.J., Mager,
E.M., Stieglitz, J.D., French, B.L., Labenia, J.S., Laetz, C. a, Tagal, M., Sloan, C. a,
Elizur, A., Benetti, D.D., Grosell, M., Block, B. a, Scholz, N.L., 2014. Deepwater
Horizon crude oil impacts the developing hearts of large predatory pelagic fish. Proc.
Natl. Acad. Sci. U. S. A. 111, E1510-8. doi:10.1073/pnas.1320950111
Incardona, J.P., Scholz, N.L., 2016. The influence of heart developmental
anatomy on cardiotoxicity-based adverse outcome pathways in fish. Aquat. Toxicol. 177,
515–525. doi:10.1016/j.aquatox.2016.06.016
Jambeck, J.R., Geyer, R., Wilcox, C., Siegler, T.R., Perryman, M., Andrady, A.,
Narayan, R., Law, K.L., 2015. Plastic waste inputs from land into the ocean. Science (80. ). 347, 768–771. doi:10.1126/science.1260352
Kartar, S., Abou-Seedo, F., Sainsbury, M., 1976. Polystyrene spherules in the
Severn Estuary—a progress report. Mar. Pollut. Bull. 7, 52.
Kenyon, K., Kridler, E., 1969. Laysan Albatrosses Swallow Indigestible Matter.
Auk 86, 339–343.
274

Naidoo, T., Glassom, D., Smit, A.J., 2015. Plastic pollution in five urban estuaries
of KwaZulu-Natal, South Africa. Mar. Pollut. Bull. 101, 473–480.
doi:10.1016/j.marpolbul.2015.09.044
Schmidt, C., Krauth, T., Wagner, S., 2017. Export of Plastic Debris by Rivers into
the Sea 12246–12253. doi:10.1021/acs.est.7b02368
Tanaka, K., Takada, H., Yamashita, R., Mizukawa, K., Fukuwaka, M., Watanuki,
Y., 2013. Accumulation of plastic-derived chemicals in tissues of seabirds ingesting
marine plastics. Mar. Pollut. Bull. 69, 219–222. doi:10.1016/j.marpolbul.2012.12.010
Teuten, E.L., Rowland, S.J., Galloway, T.S., Thompson, R.C., 2007. Potential for
plastics to transport hydrophobic contaminants. Environ. Sci. Technol. 41, 7759–7764.
doi:10.1021/es071737s
U.S. Dept. of the Interior, Minerals Management Service, A.O.C.S.R., 1985.
Proposed North Aleutian Basin lease sale (sale 92): draft environmental impact
statement. Business & Economics.

275

