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Abstract
Biological and Physical Assessment of Streams in Northern California: Evaluating the Effects of
Global Change and Human Disturbance
by
Justin Earl Lawrence
Doctor of Philosophy in Environmental Science, Policy, and Management
University of California, Berkeley
Professor Vincent H. Resh, Chair

Human disturbance at global and local scales is profoundly impacting stream ecosystems
in California. For example, climate change is causing notable increases in air temperature and
decreases in precipitation in some regions of the state. These changes are outside the range of
natural variability and are expected to intensify. Furthermore, these changes affect stream-water
temperatures, stream-flow levels, and aquatic biota. Human disturbance at the local scale in
California includes, but is not limited to, urbanization, the development and use of land for
timber extraction and agriculture, and manipulation of habitats for recreation or for the
preservation of endangered species.
I examined the impacts of global change and human disturbance on stream ecosystems in
Northern California at a variety of sites and using a variety of biological and physical techniques.
The sites were located in five California counties, including Lake, Marin, Napa, Siskiyou, and
Sonoma. Monitoring and analytical techniques for benthic macroinvertebrates used both
standard and novel approaches and metrics of biological assessment. Physical techniques
included surveys of channel widths and longitudinal profiles, bankfull-channel estimates, flow
measurements, pebble counts, fine-sediment measurements, and large-wood inventories, which
were analyzed using a variety of geomorphological and hydrological approaches.
I found that: 1) the common metrics used in biological assessment will have continued
applicability for biological assessment programs in Northern California and that a new metric for
detecting climate-change effects could be developed; 2) stream-crossing reconstruction was
causing increased patchiness of benthic-macroinvertebrate communities in the short term; 3)
vineyard water-withdrawals were having an effect on stream communities that occurred after a
threshold level of vineyard coverage and extent was reached; and 4) the addition of engineered,
large-wood structures to streams for physical-habitat restoration increased pool frequency and
caused changes in the benthic community, although the resulting levels of large wood in the
channels were still lower than levels typically found in other regions of the northwestern United
States.
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INTRODUCTION
Biological and Physical Assessment of Streams in Northern California: Evaluating the
Effects of Global Change and Human Disturbance
Biological and physical degradation of freshwater systems, which include but are not
limited to streams, rivers, lakes, polar-ice caps, and ground-water reservoirs, is occurring
worldwide as a result of increasing human disturbance at global to local spatial-scales and from
long to short time-scales (Degerman et al. 2007, Dunbar et al. 2010). Freshwater systems
contain only about 0.5% of the total water on earth, but are the primary source of drinking water
for the human population (Barlow and Clarke 2002). Desalination of saltwater is occurring in
some regions to supplement the freshwater supply (Fritzmann et al. 2007), but despite such
measures, 13% of world’s population lacks access to clean freshwater for drinking and this
percentage is expected to increase with the anticipated population growth (Guardiola et al. 2010).
Rivers and streams throughout the world have been dammed, channelized, culverted,
rerouted, mined for sediment, polluted, and in some cases completely dried up as a result of
human activities at a variety of scales (Kondolf 1997, Poff et al. 2007). In California, for
example, the degree of biological and physical degradation of freshwaters as a result of human
activities is especially immense. The biological integrity or ecosystem health of streams in
California has declined greatly as a result of increasing levels of urbanization (Purcell et al.
2002). The California aqueduct system, which was constructed to supply freshwater to major
cities and to agricultural operations in the state’s Central Valley, has significantly degraded
habitat in some of the state’s wilderness areas such as the Owens River Valley (Risso 2007).
Water and natural resource managers need to continually monitor and assess freshwater
systems to evaluate the effects of human disturbance (Richter et al. 2003, Tanaka et al. 2006).
Human disturbance is defined for this dissertation as an event occurring in a distinct period of
time that is of human origin, which eliminates organisms in the environment. Climate change is
considered to be a form of human disturbance because the underlying causes, such as increased
greenhouse emissions, are under human influence. In this example, the event in time extends
from the industrial revolution to the present. Other types of human disturbance occur over
shorter spatial and temporal scales and their effects on aquatic biota are nonetheless evident.
Biological assessment is used for analyzing water quality by private and government
agencies in the United States and worldwide (Barbour et al. 1999, Morse et al. 2007). Benthic
macroinvertebrates are the most commonly used organisms for biological assessment because of
their ubiquity in freshwater environments, their relative ease of collection and identification
compared to other freshwater organisms, and their responsiveness to different forms of human
disturbance (Carter et al. 2006). A variety of indices based on benthic macroinvertebrates can be
used to detect various forms of water pollution (Rosenberg and Resh 1993). Other freshwater
organisms that can be used for biological assessment include fish and algae (Resh 2008).
Physical assessment is also used by various private and government agencies for
analyzing effects of distrubance on freshwater systems (Kaufmann et al. 1999). For example,
visually based physical-habitat assessments can be used to assign a habitat score, which can be
used to compare sites (Barbour and Stribling 1991, Hannaford et al. 1997). Channel surveys
along the longitudinal and cross-section axes of stream channels are also useful for documenting
change in streams over time, as are grain-size measurements of the substrate, streamflow and
water depth measurements, and a variety of other techniques (Harrelson et al. 1994).
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This dissertation was designed to: 1) develop a biological index that will be useful for
monitoring and assessing change in the streams of the Mediterranean-climate region of Northern
California; 2) evaluate the short-term affects of stream-crossing reconstruction in the Klamath
National Forest of Northern California; 3) evaluate the effects of vineyard coverage and extent
on benthic macroinvertebrates in streams in Northern California; 4) evaluate the physical effects
of a large-wood restoration project in Northern California; and 5) evaluate the biological effects
of this project on this same system. Therefore, the events that were considered human
disturbances in these dissertation chapters included climate change, road construction, vineyard
water-withdrawals, and large-wood removal and addition.
STUDY SITES
Knoxville Creek and Hunting Creek (Chapter 1)
Four sites were studied along these two streams, which are located in Lake County and
Napa County, California (Fig. i, Fig. ii). Watershed areas of these sites range from ~2 to ~29
km2, and the sites are all within a 500-m elevation range. The watersheds are relatively unaltered
and are considered to represent reference conditions for small streams in the northern California
Mediterranean-climate region (see Bêche and Resh 2007a, b and Mazor et al. 2009 for further
site details). Benthic-macroinvertebrate sampling was done annually at three of the sites on 15
April from 1984 to 2003 at three of the sites and from 1985 to 2003 at one of the sites. Samples
were collected in a random design, stratified within riffles, and the same riffles were sampled
each year.

Bishop Creek, Cecil Creek, Lower Boulder Creek, Stanza Creek, Upper Boulder Creek,
and Upper Elk Creek (Chapter 2)
Six sites were studied along these six streams, which are located in Siskiyou County,
California (Fig i., Fig iii.). The sites are part of the Klamath National Forest, which covers an
area of ~ 69,000 km2 and has a total relief of 2,500 m. The forest is drained by the Klamath
River and its main tributaries, which include the Salmon, Scott, and Shasta rivers. The climate is
characterized by cool, wet winters with snow at high elevations, and warm, dry summers.
Annual precipitation ranges from an average of 250 mm in low elevations to 2,500 mm at high
elevations (USFS 1998). Winter debris flows in this region deliver large amounts of sediment to
streams (Cover et al. in press).
Franz Creek, Bidwell Creek, Maacama Creek, and 35 other streams (Chapter 3)
Three sites were studied along three streams (Franz Creek, Bidwell Creek, and Maacama
Creek) in Sonoma County, California (Fig i., Fig iv.). These sites were sampled for benthic
macroinvertebrates just before, during, and just after the period of water withdrawal for frostprotection. The watershed areas of these sites ranged from 13 to 106 km2 and the vineyard
coverage upstream of the sites ranged from 6 to 14 % of the watershed area. Depending on the
year, this frost-protection period in this region of northern California can occur anytime from
mid-February to mid-May (Smith et al. 2004)
In the broader component of this study, information was collected for 59 sites along 35
streams in Lake, Napa, and Sonoma Counties, California (Fig i.). Benthic macroinvertebrate
samples were collected at these sites by the Friends of the Napa River over a two year period
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(2000-2001) as part of a locally organized biomonitoring effort. Watershed areas of these sites
ranged from 1 to 209 km2 and the vineyard coverage in the watershed upstream of each site
(described as % of land-cover) ranged from 0 to 76%.
Devil's Gulch, Lagunitas Creek, and San Geronimo Creek (Chapter 4)
Five sites were studied along three streams in the Lagunitas Creek watershed in Marin
County, California (Fig i., Fig v.). Three of the sites were located on the mainstem of Lagunitas
Creek and the other two were located on separate tributaries to the mainstem. The Lagunitas
Creek watershed was logged extensively in the 1800s, dammed in the early 1800s through the
1950s, and regularly subjected to large wood removal from stream channels during the 1970s
and 1980s (O'Connor and Rosser 2006). The sites were selected because they had either already
undergone or were being considered as potential sites for physical-habitat restoration in the form
of engineered, large-wood structures. The large wood for the engineered structures is comprised
of coast redwood (Sequoia sempervirens), which was obtained from reservoirs upstream in the
watershed.
Lagunitas Creek (Chapter 5)
Four sites were selected along the mainstem of Lagunitas Creek in Marin County,
California (Fig i., Fig vi.). These sites were selected because they were locations where largewood had been installed into the stream channel in the form of engineered, large-structures and
historical benthic macroinvertebrate data existed. Each of these sites had a well-defined pool
and riffle sequence associated with the large-wood structures.

CHAPTER OVERVIEWS
The sequence of chapters in this dissertation were ordered by the scale of the implications
from global to local, beginning with a globally relevant study of the effects of climate change on
Mediterranean streams and ending with a locally relevant study of the effects of large wood on
streams in Marin County, California. The last two chapters are grouped together because they
both pertain to the same stream system; one focuses on the physical characteristics of this system
and the other on the biological characteristics.
In chapter 1, I used a consistently collected, 20-year benthic macroinvertebrate data set
from four sites along two small northern California streams to examine climate-change effects on
aquatic communities. I found that the North Coast benthic macroinvertebrate index of biotic
integrity (B-IBI) and other common biological-assessment metrics were not influenced by
temperature extremes (cool and warm) or precipitation extremes (wet and dry). For future
monitoring of climate change, I developed a local climate-change indicator based on
macroinvertebrate taxa and tested it on an external dataset. I also examined the effect of climate
change on biological traits.
In chapter 2, I used information collected over a period of four years to investigate
whether current Best Management Practices (BMPs) for stream-crossing reconstruction were
effective at preventing short-term physical and biological impacts on six streams in the Klamath
National Forest, Siskiyou County, California. Downstream of the stream-crossings, I found an
order of magnitude higher fine-sediment deposition at four sites and increased patchiness in
benthic-macroinvertebrate communities at all sites examined. Current BMPs were not
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completely effective at preventing short-term, negative impacts on downstream habitats
following stream-crossing reconstruction.
In chapter 3, I examined the effects of streamflow declines, associated with vineyard
water withdrawals for frost protection, on benthic-macroinvertebrate communities at three sites
along three streams in Napa and Sonoma counties. I also examined relationships between
vineyard coverage and benthic-macroinvertebrate community response using data collected from
59 sites along 35 streams in Lake, Napa, and Sonoma Counties. I found that vineyard water
withdrawals for frost protection coincided with declines in several biological metrics and that
vineyard-coverage levels above a ~20% threshold coincided with effects on both biological
metrics and traits.
In chapter 4, I examined the distribution of large wood and the effects that it had on pool
formation in five stream reaches in Marin County, California. I found that large wood in the
bankfull channels, particularly those pieces with root-wads or those that were part of clusters,
had a strong influence on pool formation and that stream reaches with large-wood additions in
the form of engineered, wood structures had lower values of channel widths per pool than those
without large-wood additions. The streams in this study generally had lower amounts of large
wood and higher values of channel widths per pool than streams of comparable size in other
regions of the western United States.
In chapter 5, I examined the effects of large wood on benthic macroinvertebrates in the
same stream system in Marin County, California. I found that the percentage of organisms in the
shredder functional-feeding group was significantly higher in pools created by engineered, largewood structures than in nearby riffles, and that the dominant shredders in pools were caddisflies,
whereas the dominant shredders in riffles were stoneflies. Using several additional biological
metrics, I observed statistically significant differences between pools and riffles, and between
benthic macroinvertebrate communities sampled over time following the addition of large wood
to the system. One biological metric indicated that the addition of large wood may result in a
potential increase in water quality.
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Fig. i. Map showing the approximate locations in Northern California of the studies contained in
the five chapters of this dissertation.
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Fig. ii. A photograph of Hunting Creek at one of the sites in the climate-change study
(Chapter 1).
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Fig. iii. A photograph of Upper Boulder Creek at one of the sites in the stream-crossing study
(Chapter 2).

x

Fig. iv. A photograph of Bidwell Creek at one of the sites in the vineyard study (Chapter 3).
Photograph by Matthew J. Deitch, used with permission.

xi

Fig. vi. A photograph of Devils Gulch at one of the sites of the physical component of the largewood study (Chapter 4).
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Fig. vi. A photograph of Lagunitas Creek at one of the sites of the biological component of the
large-wood study (Chapter 5).
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CHAPTER 1
Long-term macroinvertebrate responses to climate change: implications for
biological assessment in mediterranean-climate streams
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Long-term macroinvertebrate responses to climate change: implications for
biological assessment in mediterranean-climate streams
Abstract
Climate change is expected to have strong effects on mediterranean-climate
regions worldwide. In some areas, these effects will include increases in temperature and
decreases in rainfall, which could have important implications for biological assessment
programs of aquatic ecosystems. I used a consistently collected, 20-year benthic
macroinvertebrate data set from four sites along two small Northern California streams to
examine potential climate-change effects on aquatic communities. The sites represented
unique combinations of stream order and flow intermittency. The North Coast benthic
macroinvertebrate index of biotic integrity (B-IBI) developed for northern California
streams was not influenced by temperature extremes (cool and warm) or precipitation
extremes (wet and dry). Other common indices and metrics used in biological monitoring
studies, such as the ratio of observed to expected taxa (O/E), % Ephemeroptera,
Plecoptera, and Trichoptera (EPT) individuals, and total richness were unaffected by
temperature and precipitation variability. For future monitoring of climate-change effects
on small streams, I developed a local climate-change indicator that is composed of the
presence/absence of nine macroinvertebrate taxa, identified to genus level. This indicator
detected significant differences between years that were grouped based on temperature,
precipitation, and a combination of temperature and precipitation. It also detected
significant differences between groups in an external data set including 40 reference sites
throughout the San Francisco Bay area, a result that suggests this indicator could be used
at larger spatial scales in this region. Two biological trait categories found in large, longlived organisms decreased with increasing temperature and decreasing precipitation at the
most intermittent site. This result indicates that climate change might selectively affect
taxa with certain traits. The robustness of the North Coast B-IBI and other common
indices and metrics to temperature and precipitation variability demonstrates their
continued applicability for examining water quality under future climate-change
scenarios, but suggests that they probably will not be good indicators for detecting
climate-change effects. The effects of climate change in mediterranean-climate streams
can be monitored effectively within the framework of existing biological assessment
programs by using regional indicators based on specific taxa identified to the generic
level and information on their species traits.
Key words: climate change, mediterranean streams, benthic macroinvertebrates,
biological assessment, climate indicators, B-IBI, species traits.
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Introduction
Long-term studies, particularly studies that span greater than 10 years, are still
relatively rare in freshwater ecology (Jackson and Füreder 2006), even though a longterm perspective is essential to understanding actual and potential impacts of climate
change on community composition and structure in aquatic systems. Studies that span
>10 years are particularly useful when examining the effects of long-term fluctuations in
hydrology or temperature on macroinvertebrate communities (e.g., Bradt et al. 1999,
Daufresne et al. 2004, Bêche and Resh 2007a, Ormerod and Durance 2009). Long-term
studies also have established links between changes in macroinvertebrate communities
and extreme climatic events (e.g., drought: Mouthon and Daufresne 2006, Bêche et al.
2009; freezing: Mulholland et al. 2009) and climatic cycles (North Atlantic Oscillation
[NAO]: Bradley and Ormerod 2001, and El Niño Southern Oscillation [ENSO]: Bêche
and Resh 2007b, Gilbert et al. 2008), both of which might increase in frequency under
climate change (IPCC 2008).
Several studies from European temperate regions have demonstrated directional
trends in community structure associated with increasing temperatures or climate-changerelated shifts in stream flow (Daufresne et al. 2004, 2009, Burgmer et al. 2007, Durance
and Ormerod 2007, 2009, Chessman 2009, Ormerod and Durance 2009). These shifts in
community composition and structure are largely a result of selection toward
temperature- or low-flow-tolerant species (Chessman 2009). Research examining the
effects of climate change on species traits has focused primarily on individual taxonomic
groups rather than entire communities (Mouthon and Daufresne 2006, Cordellier and
Pfenninger 2008, Spooner and Vaughn 2008, Clausnitzer et al. 2009, Hering et al. 2009,
Stamp et al. 2010). However, evidence exists that aquatic communities could experience
dramatic shifts toward smaller size distributions with climate change, a pattern that has
been shown for freshwater fishes and phytoplankton (Daufresne et al. 2009). This
information brings into question the long-term applicability of newly established
monitoring programs for local effects (e.g., urbanization and agriculture) because the
metrics for reference sites (e.g., biotic indices) might be affected by climate change
(Hamilton et al. 2010, Nichols et al. 2010). However, evidence from studies conducted in
Europe suggests that biotic indices will be robust in the face of climate change, in that
they will continue to be useful for detecting effects of the types of water pollution for
which they were designed (Zamora-Muñoz et al. 1995, Morais et al. 2004, Leunda et al.
2009).
The implications of climate-change effects are region-specific in that the existing
climate and the characteristics of its communities influence the potential responses to
climate change (e.g., arctic ecosystems, Heino et al. 2009). Most climate-change research
has been focused on temperate ecosystems, particularly in Europe (Rosenzweig et al.
2008), and research on aquatic macroinvertebrates is no exception to this pattern. In
particular, little research has been done on potential climate-change effects in aquatic
ecosystems in mediterranean-climate regions (MCRs). Bêche and Resh (2007a, b) and
Bonada et al. (2007) have conducted studies suggesting that climate change might lead to
greater changes in taxonomic composition than in biological traits (e.g., life-history traits
and size) in MCRs. However, few studies have explicitly examined the effects of climate
change (e.g., temperature increase) on benthic macroinvertebrates in these climatic
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regions (but see Feio et al. 2010).
Temperature and precipitation extremes over the past 20 years in the MCR of
California have been analyzed using a range of time-series analyses. These extremes
were determined, with high statistical confidence, to be outside of the range of natural
variability (Bonfils et al. 2007, Maurer et al. 2007). Air temperatures in this region are
expected to increase, on average, by an additional 1.5 to 4.5°C by 2100 (Cayan et al.
2009). Expectations for precipitation are more variable among existing models, but a
drying tendency is expected in some locations (Cayan et al. 2009). Most General
Circulation Models (GCMs) for California project greater warming in summer than in
winter, most annual precipitation to continue to occur in winter, and possibly a longer
rainy season with more sporadic individual rainfall events (Cayan et al. 2009). Most
GCMs indicate that California will retain its characteristic mediterranean climate with
relatively cool, wet winters and hot, dry summers.
Benthic macroinvertebrates are sensitive to changes in temperature, precipitation,
and the associated flow regimes (Bunn and Arthington 2002, Lytle and Poff 2004), which
should make them particularly responsive to the effects of climate change. For example,
the anticipated increases in regional air temperatures, and consequently, water
temperatures, which are closely related to air temperatures in small streams (Caissie
2006, Nelson and Palmer 2007), probably will affect benthic macroinvertebrates in MCR
streams because temperature affects growth and timing of development and emergence
(Bayoh and Lindsay 2003). Seasonal differences (rainy vs dry) in the abundance and
composition of benthic macroinvertebrates in the MCR of California diminished during
drought years and were correlated with patterns in ENSO, which are linked to
temperature and precipitation (Bêche and Resh 2007b, Mazor et al. 2009). No evidence
exists that the frequency or intensity of ENSO will increase because of climate change,
but most GCMs indicate that ENSO will continue to influence climate patterns over the
next century (Cayan et al. 2009). In addition, some metrics (e.g., taxon richness and
Ephemeroptera, Plecoptera, Trichoptera [EPT] richness) are highly variable among years
in coastal California streams, whereas others (e.g., Benthic Index of Biotic Integrity [BIBI] and the ratio of observed to expected taxa [O/E] scores) are less variable (Mazor et
al. 2009). The effects of climate change on these metrics and indices, on specific taxa,
and on species traits have not been examined in detail in other studies.
My objectives were to determine: 1) whether the core multimetric indicator of
biological assessment programs in northern California (North Coast B-IBI; Rehn et al.
2005) will be robust against temperature and precipitation patterns associated with
climate change, 2) whether commonly used metrics and indices are responsive to
temperature and precipitation change (e.g., % EPT individuals, O/E scores); 3) whether
taxon-based indicators that respond to climate change can be developed; and 4) whether a
priori selected biological traits are responsive to climate change. These objectives have
important implications for evaluating local landuse effects with biological monitoring
programs in California because these programs are based on reference conditions, which
might be affected by climate change. If so, multimetric indicators might have to be
adjusted, e.g., by removing metrics sensitive to climate change, to detect reliably
disturbances associated with land use. These implications of climate change also might
be relevant to biological assessment programs in other MCRs, including areas in parts of
Europe, southern California, South Africa, Australia, and Chile (Gasith and Resh 1999).
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Methods
Study site and existing data
This study is based on a 20-year, consistently collected benthic macroinvertebrate
data set. Studies based on data sets of comparable duration have made important
contributions to our understanding of climate-change effects (e.g., Perry et al. 2005, Both
et al. 2006, Rosenzweig et al. 2008). This data set might be particularly valuable because
its length is comparable to most existing biological monitoring programs in the US (Resh
and Rosenberg 1989, Jackson and Füreder 2006). Thus, the findings might apply directly
to these programs. This data set also is one of the most consistent data sets collected, in
that benthic macroinvertebrates were sampled each year by the same individual (V.
Resh), and identifications were done by the same individual (E. McElravy). Each
collection consisted of 5 Surber samples (0.093 m2, 500-μm mesh), and all individuals in
each sample were identified to genus or species (see Bêche et al. 2006 for additional
detail).
The data set is composed of collections from four sites along two small, first- and
second- order, northern California streams, Knoxville and Hunting Creeks, in Lake
County and Napa County, California (Fig. 1.1). The watersheds are relatively unaltered
and are considered to represent reference conditions for small streams in the northern
California MCR (see Bêche and Resh 2007a, b and Mazor et al. 2009 for further site
details). Modest evidence exists that the benthic macroinvertebrate communities at the
sites are relatively independent of each other and that the communities at the individual
sites are correlated in time (Bêche and Resh 2007a, b). Sampling was done annually near
15 April from 1984 to 2003 at three of the sites (sites 1D, 2D, 2P), and from 1985 to 2003
at one of the sites (site 1P). The sampling date represents the end of the wet season, when
most preemergence growth in all benthic macroinvertebrate orders occurs in this region
(Mendez and Resh 2008). Samples were collected in a random design, stratified within
riffles, and the same riffles were sampled each year. Two of the sampling sites are
characterized by nonperennial flow (1D, 2D), and two are characterized by perennial
flow (1P, 2P). Watershed areas range from ~2 to ~29 km2, and the sites are all within a
500-m elevation range (Table 1.1).
Temperature and precipitation
Daily air temperature records were obtained from the meteorological station near
Knoxville Creek within the University of California McLaughlin Nature Reserve (Fig. 1).
These daily air temperature records covered the entire duration of the study except for the
first year and some short gaps over the remaining years (<23 days). To create a complete
daily data set for the study duration, daily air temperatures at Knoxville Creek were
plotted against those at Napa State Hospital, which is ~60 km south of the study sites, and
any missing values were calculated with the equation determined from a linear regression
between the data from these two stations.
Daily air temperature records were used to calculate degree days (dd), which are
correlated with insect development (Wilson and Barnett 1983). A threshold air
temperature of 10°C was used as a baseline for calculating degree days because it is
within the range of many macroinvertebrate species (Corkum 1992). The threshold
temperature is the lower limit for invertebrate growth and development. A uniform value
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of the threshold temperature was used because our goal was only to distinguish warm
years from cold years from the perspective of invertebrate development and not to
elucidate distinct differences among the many aquatic species collected. The number of
days that exceeded this threshold was calculated over the 15-week period (January 1 to
April 15) leading up to the sampling date.
Daily precipitation records were obtained from Napa State Hospital for the
duration of the study. Complete records were unavailable from the closer meteorological
station operated at the McLaughlin Reserve. The total amount of precipitation that
occurred over the 15-week period leading up to the sampling date was calculated to
create a precipitation variable for analysis. To maintain consistency with the temperature
analysis, the analysis was limited to the calendar year rather than to the start of the wet
season in California, which typically occurs in October to early November, or to the
water year, which begins October 1. The use of the calendar year is justified because new
colonization of benthic macroinvertebrates is likely to occur throughout the duration of
the wet season. Thus, starting at the beginning of the wet season is not crucial.
Furthermore, years that are wetter on average in October through December tend to be
wetter on average in January through April, and the same is true for temperature.
The relationship between air temperature (dd) and precipitation was examined
using linear regression. A correlation between air temperature and precipitation could
indicate synergistic effects between these variables. For example, high air temperatures
could lead to low flows, which could lead to higher local water temperatures because of
less thermal mass.
The years were ranked by number of degree days and by rainfall over the 15-week
period leading up to the sampling date. These rankings were used to establish six groups,
each consisting of the seven years at the extremes of the rankings: 1) cool vs warm, 2)
wet vs dry, and 3) cool/wet vs warm/dry. Membership of years in groups was not
exclusive (e.g., 1998 occurred in the cool group, the wet group, and the cool/wet group).
The cool/wet and warm/dry groups were established by multiplying the rankings for
temperature and precipitation to create a combined ranking that was used to sort years.
The 20 years in this data set were particularly dry compared to the past 50 years
(Bêche et al. 2009), but each group was distinct (Table 1.2). The average degree days in
cool years (28) was significantly different from warm years (51) (p < 0.001), and the
average total precipitation in wet years (53 mm) was significantly different from dry
years (22 mm) (p < 0.001). Therefore, I judged that interannual variability that occurred
during the study period would be informative. At the very least, analyzing climate
variability in the past would underestimate future climate changes, which are expected to
be more extreme than those that have already occurred (IPCC 2008). The third grouping,
cool/wet vs warm/dry, was developed to determine if a synergistic effect between
temperature and precipitation was evident in any of the metrics.
Macroinvertebrate analyses
Collection data
The data from the five benthic macroinvertebrate samples for each collection
event were combined by taking their average to avoid pseudoreplication in comparisons
among sites. This composite data set was used to calculate a presence/absence matrix.
Biological trait information was collected for nearly all of the taxa in the data set from a
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variety of published sources (see Bêche et al. 2006, Bêche and Resh 2007b for methods).
The data consisted of 206 taxa and 146,697 individuals comprising 79 families and 24
orders. However, converting these taxa to operational taxonomic units (OTUs) for metric
calculation reduced the number of taxa to 137 OTUs. This reduction was primarily a
result of aggregation of Chironomidae to family and elimination of semiaquatic
Hemiptera. Converting these taxa for calculation of the O/E calculation further reduced
the number to 125 OTUs for the O/E analyses.
Independence among sites was examined using nonmetric multidimensional
scaling analysis (NMDS) on the log10(x + 1)-transformed taxon abundances of all taxa.
PC-ORD 4.27 software (MjM Software Design, Gleneden Beach, Oregon) was used to
obtain a two-dimensional solution based on Sørenson distance (McCune and Mefford
1999). Clustering among the sites in ordination space was examined in relation to the
categorical variables, stream order, and perenniality. The NMDS was run with two axes,
10 runs with real data, a stability criterion of 0.006, 50 iterations to evaluate stability, and
a maximum number of iterations of 100.
Biological metrics evaluated for robustness to climate change
The North Coast B-IBI is a multimetric index developed for water-quality
monitoring in northern California (Rehn et al. 2005) and is used in California by state
agencies to evaluate local anthropogenic stresses on stream communities (Rehn et al.
2007). The eight metrics that comprise the North Coast B-IBI are: EPT richness,
Coleoptera richness, Diptera richness, % intolerant individuals, % nongastropod scraper
individuals, % predators, % shredder taxa, and % noninsect taxa. These metrics were
calculated from the data with a Monte Carlo simulation without replacement to
standardize sample size to 500 individuals, as required by the North Coast B-IBI (Rehn et
al. 2005). For each site, the response of these metrics to both degree days and total
precipitation (for the 15-week period prior to sampling) was determined with linear
regression. In addition, Student’s t-tests were used to compare the average North Coast
B-IBI value between the a priori groupings (e.g., cool vs warm, wet vs dry, and cool/wet
vs warm/dry) to determine whether the North Coast B-IBI could be used as an indicator
of climate change for this locality.
Several other widely used indices and metrics were evaluated to determine if they
were responsive to temperature and precipitation change: % EPT individuals, total
richness, and EPT richness divided by Odonata, Coleoptera, Hemiptera richness
(EPT/OCH; Bonada et al. 2006). The O/E(50) was calculated from a River Invertebrate
Prediction and Classification System (RIVPACS)-type model developed for California
(see Ode et al. 2008 for details). O/E(50) includes only the common species found at
>50% of reference sites. Each metric and index was plotted against degree days and
precipitation and fit with linear regression. Student’s t-tests were used to compare values
for cool vs warm years, wet vs dry years, and cool/wet vs warm/dry years. A p-value of
0.2 was selected as a threshold of significance to reduce the probability of false negatives
(Type II error) for marginally affected metrics. No metric was strongly affected. This
analysis was primarily exploratory and was not intended to establish significance
rigorously, so Bonferroni corrections were not made.
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Local climate-change indicator
The final climate-change indicator was based on annual presence/absence data
from the taxa observed at all four sites. Annual presence/absence gave equal weight to
taxa that were less common. To construct the final indicator, individual temperature
(warm vs cool) and precipitation (dry vs wet) indicators (hereafter, preliminary
temperature and precipitation indicators) were developed from the data set with an
iterative process that used only a random subset of the data. For example, the first
iteration of the preliminary temperature indicator used six of the seven years that fit the
warm and cool criteria, respectively. Within the warm group, six years of data at four
sites yielded a total of 24 sampling events for screening. The year that was randomly
withheld from the seven years in each group for each iteration was used for internal
validation and for consideration of taxa for inclusion in the final climate-change indicator
as discussed below.
All taxa were screened to determine which were more common in the warm than
in the cool group by greater than or equal to eight of 24 sampling events (a difference of
33%). For example, if a given taxon was present at 12 sampling events during the warm
years of one iteration, and four sampling events during the cool years, it would be
selected for inclusion in this iteration. The total number of taxa selected by this process
was calculated for each iteration. For example, in the first iteration, 12 taxa showed a
positive affinity with warm years. The next step was to determine the presence of these
taxa at each individual site–year combination, which was recorded as the proportion
present out of those 12. Thus, 24 different proportions/iteration were calculated from
these six years of data (four sites/year). The mean and standard error of this proportion
were calculated, and a t-test was used to compare the preliminary temperature indicator
between warm years (8.2/12) and cool (3.3/12) years in the first-iteration example.
Internal validation was completed simultaneously with the taxon-screening
process. For example, in the first iteration for the cool vs warm comparison, the
preliminary temperature indicator was composed of 12 taxa. The next step was to
determine the presence of these taxa at each site in the data for the year that was withheld
for internal validation. The proportion present of those 12 taxa was recorded. Therefore,
four different proportions/iteration were calculated from this one year of validation data.
A t-test was used to compare the preliminary temperature indicator between warm
(7.3/12) and cool (7.8/12) years in our first iteration example. When the result was
significant, the taxa in that iteration were each given a point and considered for the final
indicator. The total number of significant comparisons among the iterations of this
internal validation was compared against the total number of significant comparisons
from the six years that were used to select the taxa to assess the validity of the approach.
This iteration process was completed 10 times for the wet vs dry groups and 10
times for the cool vs warm groups. To determine which taxa to include in the final
climate-change indicator, which represented a combination of temperature and
precipitation effects, a criterion for taxa was set that resulted in significant t-tests between
groups in the internal validation on greater than or equal to four of 20 possible
comparisons (e.g., the taxa had greater than four points). For example, the caddisfly
genus Hydroptilia, which was included in the final indicator, was involved in five of five
significant temperature models and two of five significant precipitation models, and,
therefore, was significant on seven occasions. The goal for selecting taxa from the
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significant comparisons in the internal validation was to reduce the limitations of fitting
the model to the specific years of the study. Last, the proportional value of the final
climate-change indicator was transformed to a 10-point scale to make the indicator values
easier to compare on a linear scale.
An external validation was done on the final climate-change indicator to reduce
the limitations of fitting the model to the specific sites of the study. This external
validation was accomplished with a data set of 47 individual sampling events made at 40
reference sites from 2000 to 2007 across the greater San Francisco Bay area. Benthic
macroinvertebrates in this data set were collected with a targeted-riffle sampling method
(Barbour et al. 1999). Most sites were sampled by personnel from the San Francisco
Regional Water Quality Control Board through the Surface Water Ambient Monitoring
Program (SWAMP). Additional sites were sampled by personnel from the Alameda
Countywide Clean Water Program, Contra Costa Clean Water Program, Marin County
Stormwater Pollution Prevention Program, San Mateo Countywide Water Pollution
Prevention Program, Santa Clara Valley Urban Runoff Pollution Prevention Program,
Sonoma Ecology Center, and the Institute for Conservation Advocacy Research and
Education.
To test the indicator on the external data set, the two wettest years (2005, 2006)
and two driest years (2001, 2007) were selected from this eight-year period. The mean
and standard error of the climate-change indicator were calculated for each precipitation
group (wet and dry) with the final taxa that were selected for the indicator from the 20year study data set. These values were compared (wet vs dry years) with a t-test. If the
values were significantly different, the external validation was deemed successful.
Last, the value of the final climate-change indicator was calculated for the
original groups containing seven years of data for each site (cool vs warm, wet vs dry,
and cool/wet vs warm/dry). The mean and standard error were calculated for each group,
and differences between groups were evaluated with a t-test.
Biological traits
Three biological traits (voltinism, maximum body size, and desiccation
resistance) were hypothesized a priori to be sensitive to temperature or precipitation
based on their functional attributes (Bêche et al. 2006, Bonada et al. 2007). I focused on
specific categories within these traits (semivoltine life cycle, maximum body size >40
mm, and desiccation resistance) that probably would respond to climate-change effects.
The distribution of biological traits among taxa was calculated from the presence–
absence matrix instead of the abundance data because some taxa with these traits tend to
be rare in the community. The traits for all taxa present in each sample and the
proportional representation of each trait category were determined. The fuzzy coding
approach was used (Chevenet et al. 1994), so each taxon could be described by a
fractional composition of multiple trait categories (where the fractions sum to 1), e.g., a
taxon could be described as 0.4 semivoltine and 0.6 bivoltine, which would indicate that
this taxon has partial semivoltine and partial bivoltine characteristics.
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Results
Physical conditions
The daily average air temperatures measured at Knoxville Creek were linearly
related (R2 = 0.78) to those measured at Napa State Hospital (y = 1.3x – 4.5). Therefore,
air temperatures and the degree days calculated for the sites were assumed to be
comparable at each site. Degree days and precipitation from January 1 to April 15 were
highly variable from year to year. Degree days ranged from a minimum of 14 in 1998 to a
maximum of 66 in 1988, a five-fold difference. Precipitation ranged from 15 cm in 1988
to 68 cm in 1995 and 1998, also a five-fold difference. This high interannual variability is
evident among the temperature and precipitation values characterizing the different year
groups (Table 1.2).
Degree days and precipitation were inversely related (R2 = 0.30, p = 0.01; Fig. 2)
within the study area. Cool years were more likely to be wet, and warm years were more
likely to be dry. This pattern explains the similarity in the years included in the cool and
wet groups and in the years included in the dry and warm groups. However, the low R2
indicates that the effects of temperature and precipitation should not be treated as a single
variable.
The NMDS plot revealed distinct clusters of first- and second-order sites (Fig.
1.3A) and of nonperennial and perennial sites (Fig. 1.3B). This result indicates that the
benthic macroinvertebrate communities at each site were independent to some extent,
despite being within the same watershed. The first axis on the NMDS plot was correlated
with degree days (R2 = 0.22) and precipitation (R2 = 0.31). Degree days and precipitation
were aligned in opposite directions, indicating a strong, negative correlation within
ordination space (Fig. 1.3A, B).
Biological metrics
The North Coast B-IBI did not change significantly with temperature and
precipitation at any site (Fig. 1.4A–H). However, the low power of the test (ȕ < 0.8 in
each case) indicates a limited ability to detect a difference. Furthermore, the North Coast
B-IBI did not differ significantly between cool and warm or wet and dry years (Table
1.3). The only significant (p  0.05) regressions among the eight component metrics of
the North Coast B-IBI were Coleoptera richness against degree days at site 1P (Table
1.4), Coleoptera richness against precipitation at site 1D (Table 1.5), and % shredder taxa
at site 1D (Table 1.5). In the regressions of metrics against degree days, Coleoptera
richness, % intolerant individuals, % nongastropoda scraper individuals, and % noninsect
taxa had regressions with p-values 0.2. In the regressions of metrics against
precipitation, EPT richness, Coleoptera richness, % intolerant individuals, % predators,
and % shredder taxa had regressions with p-values 0.2. Coleoptera richness and %
intolerant individuals were correlated with both degree days and precipitation, results
suggesting that these two metrics might be the most responsive to climate change.
However, the direction of the Coleoptera richness responses differed between sites 1D
and 2D.
Most of the other indices and metrics were not responsive to temperature or
precipitation fluctuations. The average values of O/E(50), % EPT individuals, and total
richness showed no substantial trends with climate (Table 1.3). EPT/OCH showed the
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greatest association with climate, but the direction was not consistent between wet and
dry years.
Local climate-change indicator
Differences in taxon occurrences between groups (warm vs cold and wet vs dry)
ranged from zero to 15 in most iterations and were close to zero for most of the 206 total
taxa. A difference of greater than or equal to eight was the criterion for inclusion in the
preliminary temperature and precipitation indicators. In the 20 iterations, the preliminary
indicators detected a significant difference (p < 0.05) between groups (cool vs warm and
wet vs dry) in all of the groups containing the six years of data from which the indicators
were constructed. In these same 20 iterations, the preliminary indicators detected a
significant difference between groups in half of the cool vs warm groups (iterations one,
two, five, six, and ten) and half of the wet vs dry groups (iterations one, three, six, seven,
and nine) that contained the one year of data withheld for internal validation purposes.
Thus, internal validation indicated that this method adequately selected taxa 50% of the
time.
Of the 13 total genera selected as preliminary indicator taxa during the iterations
(Table 1.6), nine were ultimately selected to comprise the final climate-change indicator
because they were present in greater than three of the 20 iterations in the internal
validation. The taxa that comprised the final indicator were Ambrysus (Hemiptera),
Chironomidae (Diptera), Dixa (Diptera), Euparyphus (Diptera), Hydropsyche
(Trichoptera), Hydroptilia (Trichoptera), Lepidostoma (Trichoptera), Ochrotrichia
(Trichoptera), and Trichocorixa (Hemiptera). These taxa are in three orders: Trichoptera
(n = 4), Diptera (n = 3), and Hemiptera (n = 2). Trichopterans made up 23% of the overall
taxon list and 44% of the taxa in the indicator (i.e., four of the nine taxa selected), so it is
unlikely that their high representation in the indicator is entirely the result of chance. The
difference in the number of years of presence of these taxa between the cool and wet and
the warm and dry groups ranged from five to 14 (Table 1.7).
The final climate-change indicator was able to detect a significant difference
between year groups (warm vs cool, wet vs dry, cool/wet vs warm/dry) in 10 of the 12
comparisons examined (Table 1.8). The difference in the average indicator value for all
the sites combined was highest between the dry and wet years (6.8 – 2.7 = 4.1). The
difference between the cool and warm years and the cool/wet and warm/dry years was
2.8 in each case. This result agrees with the NMDS ordination (Fig. 1.3A, B) of the raw
abundance data for all taxa, which showed that precipitation was a stronger driver than
temperature in shaping patterns in the benthic community, as indicated by the length of
the vector. The difference in the average indicator value between groups was typically
larger in the nonperennial sites than in the perennial sites.
The final climate-change indicator (developed with long-term data from four
study sites in two streams) was robust when used with the external validation (regional)
data set from 47 sampling events at 40 sites from throughout the greater San Francisco
Bay area. The indicator values differed by 0.8 units between wet years (indicator value =
1.9) and dry years (indicator value = 2.8). This difference was smaller than that observed
in the local data set (i.e., 2.8), but it was statistically significant (p = 0.001). All but one
of the nine taxa were prevalent in both the local and regional data set. The exception was
Ambrysus.
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Biological traits
Two of the three selected traits showed consistent trends between cool vs warm
years and wet vs dry years. However, these trends were statistically significant only at the
site with the most extreme conditions of intermittency, i.e., the first-order, nonperennial
(1D) site (Fig. 1.5A–D). The trends included a decrease in macroinvertebrates with a life
cycle greater than one year and a decrease in macroinvertebrates with a body size greater
than 40 mm with increasing temperature or with decreasing precipitation. Desiccation
resistance, which was hypothesized to be potentially responsive to temperature, did not
differ consistently or significantly among sites.
Cool/wet vs warm/dry years
Metrics and indices did not differ more strongly between cool/wet years and
warm/dry years, which represent the strongest combination of climate-change effects
examined, than between wet and dry or cool and warm years. However, the difference in
total richness between cool/wet years and warm/dry years was statistically significant at
one of the sites (2P), whereas it was not significant for any of the individual temperature
or precipitation comparisons (Table 1.3).
Discussion
The high interannual variability in temperature and precipitation that was
observed among years in my study is characteristic of MCRs worldwide (Gasith and
Resh 1999). This variability is related to the ENSO weather phenomenon through
complex relationships that are region specific (Brönnimann et al. 2007). In the MCR of
Europe, for example, the ENSO is nonlinearly associated with winter precipitation
anomalies (Pozo-Vázquez et al. 2005). In the MCR of southern California, El Niño
winters tend to be wetter than normal (Cayan et al. 2009), but the pattern is not as clear in
northern California. Worldwide, the ENSO has played a key role in shaping patterns of
climate variability in MCRs over the past millennium (Mann 2006).
The significant inverse correlation between temperature and precipitation
illustrates that the effects observed in my study could be related to either or both of these
variables. Correlations between regional air temperatures and precipitation have been
observed in other MCRs (e.g., Milly et al. 2005, Chu et al. 2008). However, the
mechanism of influence from temperature might not be direct. For example, water
temperature is inversely correlated with dissolved oxygen levels in streams and rivers,
which can affect benthic macroinvertebrates (Morrill et al. 2005, Jacobsen and Marín
2007). In addition, the mechanism of the effect of dissolved oxygen on benthic
macroinvertebrates could be related to other unmeasured explanatory variables, such as
amount of canopy cover or groundwater input. These mechanisms could not be tested
directly because year-to-year variability of these variables was not measured.
The benthic macroinvertebrate communities observed in the perennial and
nonperennial and in the first- and second-order sites were different, a result that is in
agreement with the findings in Bêche and Resh (2007a, b), Bêche et al. (2009), and
Mazor et al. (2009). Perenniality and stream order also shape distinct benthic
communities in the MCRs of Europe (e.g., Bonada et al. 2007, Anna et al. 2009, Feio et
al. 2010) and California (e.g., Bonada et al. 2006, Bêche et al. 2006, Bêche and Resh
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2007b, Mazor et al. 2009). One of the key findings of this study was that the greatest
association between biological traits and climate occurred in the first-order, nonperennial
site 1D, probably because it represents the most extreme, intermittent conditions. The
longer-lived (life cycle greater than one year), larger (maximum body size greater than 40
mm) organisms at this site were clearly less abundant in warmer and drier years, probably
because of their lower tolerance to extreme conditions.
Some of the most widely used biological metrics (e.g., % EPT, total richness) and
local indices (e.g., the North Coast B-IBI) were robust against interannual changes in
temperature and precipitation, so these metrics should have continued usefulness for
biological assessment programs aimed at detecting local anthropogenic stressors under
climate-change scenarios. However, the low power (ȕ < 0.8) indicates that these findings
should be interpreted cautiously. The values of the B-IBI and % EPT were low relative to
values typically observed in reference sites in other parts of northern California outside
the MCR. This difference is related to the stresses in the MCR, i.e., floods followed by
drying, which are the reference conditions in this region. A fairly constant percent
composition of the same dominant taxa was observed among the years, and this result
indicates that the foundation of the benthic community might remain intact despite
temperature and precipitation changes. This apparent resilience might be related to the
unpolluted nature of these sites and to the severe conditions, i.e., sequential flooding and
drying, of the mediterranean climate itself (Gasith and Resh 1999), which selects highly
resilient organisms. For example, an unpolluted site would tend to have a higher
EPT/OCH because of the higher EPT composition. However, an unpolluted site also
could have low EPT/OCH if riffles are relatively less common than pools in the system
(Bonada et al. 2006). EPT/OCH was lower in the warm than in the cold years at all sites
and lower in the dry than in the wet years in three of the four sites although not all of
these differences were statistically significant. A combination of polluted water and
increasing temperature might have a compounded, negative effect on metrics based on
the OCH orders, and this possibility should be tested further.
The North Coast B-IBI and other commonly used metrics and indices might be
unresponsive to the expected climate-change scenarios because many of the component
metrics are calculated for taxa identified at the order level. Genera might come and go,
but if replacement occurs, order-level metrics would be unchanged. However, some
specific macroinvertebrate genera did appear to be consistently responsive to climate
changes, and these taxa were the ones that we incorporated into the climate-change
indicator. The functionality of the indicator might result from its ability to account for
generic-level turnover, because it is based on individual taxa. These taxa, which were
primarily trichopterans, might be among the most susceptible to climate change and
could be useful components to include in biological-monitoring programs aimed at
detecting climate-change effects.
The debate about the general usefulness of higher (e.g., order and family)
compared to lower (e.g., genus and species) levels of taxonomic resolution for evaluating
anthropogenic changes has gone on for decades (e.g., Resh and Unzicker 1975). Lenat
and Resh (2001) provide many examples of when species or generic levels might be more
useful than higher levels. The potential usefulness of generic-level indicators for
detecting climate change, which was a key finding of this study, suggests that this result
should be added to that list.
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Modest evidence was found for a filtering effect on biological traits at the site
with the most extreme conditions of intermittency. This result indicates that the benthic
communities in intermittent habitats might experience the strongest selective force under
the expected conditions of climate change. This study also illustrates the usefulness of a
priori hypothesis testing based on specific trait categories, which thus far, is not a widely
used approach in trait studies on North American freshwater macroinvertebrates. The
prevalence of specific biological traits (i.e., voltinism and maximum body size) differed
significantly between cool and warm years and between wet and dry years at the most
intermittent site, but any evolutionary response would occur over a much longer time
period. Several studies conducted in MCRs have found that traits are less sensitive to
climate change than are taxonomic composition and abundance measures (e.g., Bêche et
al. 2006, Bêche and Resh 2007b, Bonada et al. 2007). However, the sensitivity of species
traits might depend on the extremeness or severity of changes at a site, which tend to be
highest in first-order, nonperennial streams and is compounded in streams without
riparian cover.
A presence-based, climate-change indicator appears to be useful for evaluating
the effects of future climate change at the specific sites used in this study. Such an
indicator also might be applicable at a regional scale, as evidenced by the successful
external validation at sites throughout the San Francisco Bay area. However, the strength
of the climate signal was lower between groups in the regional data set than in the local
data set. The reduced signal strength in the region-wide application could be related to
many unaccounted factors, including variability in sampling dates, local microclimates,
food sources, and levels of endemism. In addition, site-level variability could have
created additional noise in the analysis. An advantage of using a presence-based indicator
rather than proportional metrics based on relative abundances is that presence-based
indicators can be incorporated into rapid assessment protocols because all organisms in
the samples need not be counted and identified. Likewise, because of the high correlation
between degree days and precipitation, the reliability of the indicator is nearly the same
whether it is used to detect change in temperature or precipitation. The strongest effects
(i.e., difference between groups detected by the indicator) appear to result from
precipitation, which indicates that flow regime might be the dominant driver of
variability in the benthic community.
The projection that climate change will result in regional temperature increases of
one to five degrees Celsius in MCRs and the expectation that precipitation regimes will
shift in a variety of ways among MCRs is well established (e.g., IPCC 2008, Cayan et al.
2009). Therefore, macroinvertebrate indicators like the one proposed here might be
useful metrics for biological assessment programs that seek to monitor the effects of
climate change. However, the effects of climate change might be more subtle than a
single indicator alone can detect. This problem provides the incentive for obtaining
additional information from measures based on selected biological traits.
Small streams in MCRs, particularly first-order, nonperennial streams, might offer
ideal conditions for monitoring climate change. Long-term studies are needed to develop
effective indicators of climate change within specific ecoregions. Long-term monitoring
and an understanding of species interactions are critical gaps in realistic predictions of the
effects of climate change on benthic communities. Space-for-time substitutions are
limited because of unaccounted site differences, which compound analytic difficulties.
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However, this approach is often the only available choice. Museum collections of benthic
macroinvertebrates might provide a useful source of long-term information about changes
in benthic macroinvertebrate communities (e.g., Resh and Unzicker 1975, Hall and Ide
1987, DeWalt et al. 2005). Life-history studies also are useful for making decisions about
climate change. Without these studies, no alternative sources of information can be used.
Unfortunately, the decline in these studies might limit the use of species-traits-based
analyses (Resh and Rosenberg 2010), an approach that already has proven effective in
European MCRs.
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Fig. 1.1. Site map showing streams as black lines. Site 1D is on Hunting Creek, and sites
1P, 2P, and 2D are on Knoxville Creek.
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Fig. 1.2. Linear regression of total precipitation against degree days, both calculated from
the 15-week period (January 1–April 15) leading up to the sampling date.
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Fig. 1.3. Clustering of taxa using two-dimensional nonmetric multidimensional scaling analysis with axis one aligned with degree
days and sites coded by stream order (A) and perenniality (B). The lengths of the line segments extending from the vertical mark at the
center of axis 1 are proportional to the amount of variability in benthic community structure that is explained by precipitation
(extending to the left) and degree days (extending to the right).
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Fig. 1.4. The North Coast Benthic Index of Biotic Integrity (B-IBI) plotted against degree days and precipitation at sites 1D (A, E), 2D
(B, F), 1P (C, G), and 2P (D, H) and fit with linear regression trend lines.

Fig. 1.5. Mean (±1 SE) proportion of taxa with semivoltine life cycles (A, C) and
maximum body size >40 mm (B, D) at the study sites in cool and warm years (A, B) and
wet and dry years (C, D). * indicates a significant difference (Į = 0.05) between groups
of years (Student’s t-test).
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Site
1D
2D
1P
2P

Stream
Knoxville Creek
Hunting Creek
Hunting Creek
Hunting Creek

Stream
order
1
2
1
2
Perenniality
Nonperennial
Nonperennial
Perennial
Perennial

Watershed area
(km2)
2.1
22.1
4.4
29.3

Table 1.1. Physical characteristics of the study sites.
Latitude
(N)
38°47'56"
38°48'30"
38°51'56"
38°49'45"

Longitude
(W)
122°18'53"
122°22'45"
122°24'54"
122°22'36"

Elevation
(m)
390
402
634
348

Stream width
(m)
3–8
10–15
5–10
10–15
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Rank
1
2
3
4
5
6
7
Average

Cool years
1998 (14 dd)
1999 (18 dd)
1987 (32 dd)
2000 (32 dd)
1993 (33 dd)
1989 (34 dd)
1995 (35 dd)
28 dd

Warm years
1988 (66 dd)
1997 (53 dd)
1996 (51 dd)
1990 (49 dd)
1985 (47 dd)
1994 (46 dd)
1992 (45 dd)
51 dd

Wet years
1998 (68 mm)
1995 (68 mm)
1996 (58 mm)
2000 (47 mm)
1999 (47 mm)
1993 (44 mm)
1992 (37 mm)
53 mm

Dry years
1988 (15 mm)
1994 (17 mm)
2002 (20 mm)
1990 (22 mm)
1985 (23 mm)
1989 (25 mm)
1997 (30 mm)
22 mm

Cool/wet years
1998 (14 dd, 68 mm)
1999 (18 dd, 47 mm)
2000 (32 dd, 47 mm)
1995 (35 dd, 68 mm)
1987 (32 dd, 33 mm)
1993 (33 dd, 44 mm)
1996 (51 dd, 58 mm)
31 dd, 51 mm

Warm/dry years
1988 (66 dd, 15 mm)
1990 (49 dd, 22 mm)
1994 (46 dd, 17 mm)
1997 (53 dd, 30 mm)
1985 (47 dd, 23 mm)
2002 (40 dd, 20 mm)
2003 (44 dd, 35 mm)
49 dd, 23 mm

Table 1.2. Years comprising the climate groups with degree days (dd) and total precipitation (mm) in parentheses.
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EPT richness/
OCH richness

Total richness

% EPT individuals

O/E(50)

Metric
North Coast B-IBI

Site
1D
2D
1P
2P
1D
2D
1P
2P
1D
2D
1P
2P
1D
2D
1P
2P
1D
2D
1P
2P

Temperature
Cool years Warm years
39 (4.4)
45 (2.7)
47 (5.5)
53 (2.6)
39 (3.9)
38 (2.8)
45 (3.2)
36 (4.8)
0.30 (0.031) 0.34 (0.028)
0.46 (0.038) 0.55 (0.052)
0.25 (0.022) 0.26 (0.014)
0.30 (0.049) 0.40 (0.016)
29 (9.1)
43 (7.7)
49 (2.5)
44 (3.4)
19 (7.3)
19 (5.0)
39 (11)
51 (9.5)
21 (3.0)
23 (1.6)
28 (2.1)
25 (2.9)
21 (1.5)
21 (1.5)
19 (0.84)
22 (2.36)
3.61 (0.75) 2.91 (0.85)
4.37 (0.53) 4.21 (1.16)
2.87 (0.48) 1.53 (0.25)
2.90 (0.19) 2.53 (0.23)
p
0.25
0.37
0.86
0.16*
0.45
0.21
0.59
0.08*
0.25
0.28
0.98
0.42
0.48
0.46
0.90
0.18*
0.55
0.90
0.03*
0.23

Precipitation
Wet years
Dry years
40 (5.5)
45 (2.2)
53 (4.2)
48 (3.3)
36 (2.4)
36 (3.9)
45 (3.2)
39 (4.9)
0.30 (0.041) 0.32 (0.023)
0.50 (0.048) 0.46 (0.055)
0.25 (0.022) 0.28 (0.010)
0.30 (0.049) 0.42 (0.038)
37 (8.0)
43 (9.0)
48 (2.8)
47 (3.9)
19 (7.3)
21 (5.8)
34 (8.8)
47 (8.3)
20 (2.7)
21 (2.8)
24 (1.9)
27 (2.4)
19 (1.5)
20 (1.5)
4.2 (1.3)
2.7 (0.19)
4.02 (0.97)
2.64 (0.65)
2.4 (0.23)
3.2 (0.38)
2.7 (0.35)
1.8 (0.38)
23 (0.98)
19 (2.6)
p
0.35
0.39
0.94
0.32
0.59
0.53
0.26
0.08*
0.62
0.84
0.88
0.28
0.86
0.41
0.79
0.27
0.26
0.09*
0.13*
0.15*

Temperature/precipitation
Cool/wet years
Warm/dry years
42 (7.2)
47 (2.5)
52 (7.9)
51 (3.0)
35 (3.8)
38 (5.0)
47 (3.1)
37 (6.6)
0.30 (0.049)
0.32 (0.032)
0.66 (0.46)
0.50 (0.062)
0.23 (0.031)
0.28 (0.01)
0.28 (0.089)
0.42 (0.054)
23 (6.6)
42 (11)
53 (2.0)
43 (3.8)
17 (13)
21 (7.7)
38 (15)
45 (10)
17 (4.1)
23 (2.3)
25 (1.9)
28 (3.2)
20 (2.1)
22 (2.4)
16 (3.1)
23 (1.0)
4.2 (1.0)
2.1 (.12)
2.7 (0.29)
2.8 (0.19)
2.8 (0.35)
1.6 (0.47)
3.5 (1.2)
2.8 (0.22)

p
0.48
0.88
0.63
0.25
0.69
0.69
0.19*
0.23
0.21
0.07*
0.80
0.72
0.21
0.50
0.60
0.05*
0.05*
0.80
0.09*
0.55

Table 1.3. Mean (SE) metric and index values between cool and warm years, wet and dry years, and cool/wet and warm/dry years. BIBI = benthic index of biotic integrity; O/E(50) = ratio of observed to expected taxa including only the common species found at >50
% of reference sites; EPT = Ephemeroptera, Plecoptera, Trichoptera; OCH = Odonata, Coleoptera, Hemiptera. * indicates
comparisons considered to be marginally affected by climate change (p  0.20).
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Regression variable
EPT richness
Coleoptera richness
Diptera richness
% intolerant individuals
% nongastropod scraper individuals
% predators
% shredder taxa
% noninsect taxa
R
0.01
0.15
0.04
0.01
0.00
0.09
0.07
0.01

2

Site 1D
p
Trend
0.70
0.09* Increase
0.41
0.75
0.90
0.70
0.26
0.74
R
0.00
0.01
0.06
0.11
0.01
0.02
0.06
0.10

2

Site 2D
p
Trend
0.81
0.76
0.29
0.15* Decrease
0.68
0.56
0.29
0.18* Decrease
R
0.02
0.24
0.04
0.00
0.10
0.01
0.16
0.02

2

Site 1P
p
Trend
0.60
0.03* Increase
0.39
0.86
0.18* Increase
0.71
0.09* Decrease
0.56
R
0.01
0.01
0.00
0.024
0.024
0.031
0.022
0.00

2

Site 2P
p
Trend
0.67
0.68
0.89
0.51
0.51
0.46
0.53
0.78

Table 1.4. Linear regression statistics for the component metrics of the North Coast Benthic Index of Biotic Integrity (B-IBI) vs
degree days. EPT = Ephemeroptera, Plecoptera, Trichoptera. * indicates trends with increasing temperature considered to be
marginally affected by climate change (p  0.20).
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Regression variable
EPT richness
Coleoptera richness
Diptera richness
% intolerant individuals
% nongastropod scraper individuals
% predators
% shredder taxa
% noninsect taxa
R
0.13
0.25
0.00
0.08
0.01
0.03
0.07
0.00

2

Site 1D
p
Trend
0.11* Decrease
0.03* Decrease
0.82
0.23
0.67
0.46
0.01* Decrease
0.96
R
0.06
0.09
0.05
0.01
0.00
0.00
0.15
0.07

2

Site 2D
p
Trend
0.32
0.19* Increase
0.37
0.71
0.99
0.92
0.09* Increase
0.27
R
0.01
0.00
0.01
0.14
0.00
0.18
0.03
0.00

2

Site 1P
p
Trend
0.69
0.92
0.68
0.12* Increase
0.97
0.07* Increase
0.48
0.83
R
0.00
0.064
0.020
0.01
0.00
0.06
0.01
0.00

2

Site 2P
p
Trend
0.87
0.30
0.57
0.71
0.79
0.32
0.74
0.95

Table 1.5. Linear regression statistics for the component metrics of the North Coast Benthic Index of Biotic Integrity (B-IBI) vs
precipitation. EPT = Ephemeroptera, Plecoptera, Trichoptera. * indicates trends with increasing precipitation considered to be
marginally affected by climate change (p  0.20).
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Taxa
Euparyphus (Diptera)*
Hydroptilia (Trichoptera)*
Dixa (Diptera)*
Hydropsyche (Trichoptera)*
Ochrotrichia (Trichoptera)*
Ambrysus (Hemiptera)*
Chironomidae (Diptera)*
Lepidostoma (Trichoptera)*
Trichocorixa (Hemiptera)*
Tipula (Diptera)
Tropisternus (Coleoptera)
Oreodytes (Coleoptera)
Planariidae (Seriata)
Present
Present
Present

I1
Present
Present
Present
Present
Present
Present
Present

Present

Present

Cool years vs warm years
I2
I5
I6
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present
Present

Present

I 10
Present
Present
Present
Present

Present

Present

I1
Present
Present
Present
Present
Present

Present

Present

Present

Dry years vs wet years
I3
I6
I7
Present Present Present
Present Present Present
Present Present Present
Present
Present
Present

Present
Present
Present

Present

I9
Present

Occurrences
(points)
10
9
9
7
5
4
4
3
3
2
2
2
1

Table 1.6. Taxa considered for inclusion in the final climate-change indicator because they were present in 1 of the internal
validation iterations that detected a significant difference between groups (i.e., cool vs warm, wet vs dry). The taxa included in the
final indicator are marked with an * and were selected based on having 3 points (occurrence sums across rows). I = iteration.
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Ambrysus (Hemiptera)
Chironomidae (Diptera)
Dixa (Diptera)
Euparyphus (Diptera)
Hydropsyche (Trichoptera)
Hydroptilia (Trichoptera)
Lepidostoma (Trichoptera)
Ochrotrichia (Trichoptera)
Trichocorixa (Hemiptera)

Genus (Order)
4
14
6
12
13
8
5
17
9

Cool/wet years
10
21
20
20
18
16
13
25
16

Warm/dry years
6
7
14
8
5
8
8
8
7

Difference
(|cool/wet – warm/dry|)

Table 1.7. Number of times (in 28 sampling events) that the component taxon was present in cool/wet years (seven years total) and
warm/dry years (seven years total) and the absolute difference between the year groups for the final climate-change indicator.
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Site
1D
2D
1P
2P
Average

Temperature
Cool years
Warm years
3.8 (0.9)
6.2 (0.9)
2.2 (0.9)
6.5 (0.8)
4.0 (0.8)
6.2 (0.8)
4.9 (1.0)
7.0 (0.9)
3.7
6.5
p
0.05*
0.005*
0.01*
0.10

Precipitation
Wet years Dry years
p
1.1 (0.7)
6.5 (0.3)
0.004*
1.9 (0.7)
7.0 (0.5)
<0.001*
3.8 (0.7)
6.0 (0.4)
0.038*
4.0 (0.6) 7.5 (0.6)
0.003*
2.7
6.8

Temperature/precipitation
Cool/wet years Warm/dry years
p
3.5 (0.9)
6.0 (0.7)
0.05*
1.9 (0.8)
6.8 (0.7)
<0.001*
4.1 (0.8)
5.4 (0.9)
0.3
4.4 (0.9)
7.0 (0.8)
0.05*
3.5
6.3

Table 1.8. Mean (SE) value of the local climate-change indicator in the different year groups. * indicates significant comparisons (p <
0.05).

CHAPTER 2
Short-term impacts of stream-crossing reconstruction on forested, mountain streams in
Northern California
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Short-term impacts of stream-crossing reconstruction on forested, mountain
streams in Northern California
Abstract
Stream-crossings can have multiple physical and biological impacts on small
streams, ranging from increased fine-sediment delivery to increased habitat patchiness of
biological communities. Culverts along small streams are often removed in accordance
with Best Management Practices (BMPs) if the culverts are at risk of catastrophic failure
or if they are acting as migration barriers for fish. Although BMPs attempt to minimize
negative consequences of construction activities on aquatic habitats, there is limited
information available on the short-term impacts of culvert removal at stream-crossings,
which makes it difficult to assess the costs and benefits. The objective of this study was
to quantify the short-term (0-2 years) impacts of BMPs for culvert removal on the
physical and biological characteristics of six streams in the Klamath National Forest,
Siskiyou County, California. I used a before-after-control-impact (BACI) study design
and found no significant difference across all the sites in the total amount of finesediment on the streambed surface, upstream and downstream of the culverts, over the
two years following culvert removal. However, in at least four sites, an order of
magnitude more sediment in the <500 μm size fractions was deposited in sediment traps
downstream than upstream during construction. Mild incision occurred upstream of the
stream-crossings within two years, which reflected the channel's dynamic response to
removal a grade-control structure. Downstream, however, there was no consistent trend
of incision or aggradation. In several streams examined, Coefficients of Variation (CVs)
of several commonly used benthic macroinvertebrate metrics were higher than CVs
expected from natural variability based on values from long-term datasets of studies done
in California. For example, the CVs of the common metrics # of Hilsenhoff Biotic Index
(HBI) tolerant taxa, # of Ephemeroptera taxa, % Ephemeroptera/Plectoptera/Trichoptera
(EPT), and EPT richness were higher in two of the six streams examined than the CVs
expected to represent the natural range of variability present. In addition, I observed
significant declines among the six sites in the proportion of EPT taxa and EPT
individuals that colonized sediment traps downstream of the culverts. Although there
were few statistically significant differences in stream characteristics that could be
generalized across all sites, there were substantial, site-specific responses in sediment
deposition, channel response, and benthic macroinvertebrate assemblages. These
responses may relate to intrinsic natural differences among the streams or to differences
in the implementation of Best Management Practices during construction. Despite the
limited site-specific, short-term impacts on aquatic biota, stream-crossing reconstruction
offers long-term benefits such as reduced flood-risk and improved fish-passage.
Key words: stream-crossing reconstruction, forest roads, culverts, sedimentation, benthic
macroinvertebrates, headwater streams, Best Management Practices
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Introduction
Forest roads and the culverts that often underlie them at stream-crossings can
greatly impact stream-channel morphology, hydrology, and sediment-transport processes.
For example, forest roads can intensify sediment delivery to stream channels through
erosion (e.g., Reid and Dunne 1984, Switalski et al. 2004, Madej et al. 2006) and can
increase the flashiness of streams following storms through decreased permeability
(Wemple et al. 1996). Culverts can lead to the formation of plunge pools (Kahn and
Colbo 2008), the decline of riffle-habitat in downstream areas (Merrill 2005), and the
accumulation of fluvial sediment in upstream areas (Jackson 2003).
Forest roads and culverts can also impact biological characteristics of streams,
including the vertebrate and invertebrate communities. For example, Wofford et al.
(2005) observed that barriers to passage in headwater streams caused within-watershed
genetic variation in coastal cuttthroat trout. Warren and Pardew (1998) observed fish
passage to be an order of magnitude lower through pipe culverts than through open-arch
culverts or natural stream reaches in small, mountain streams. Likewise, Thomson and
Lee (2000) observed a negative correlation between forest-road density and fish stocks
throughout the northwestern United States. Culverts have also been observed to impede
the upstream movement of benthic macroinvertebrates in proportion to the amount of
shear stress and the size of the elevation drop at the downstream end (Resh 2005).
Nationwide, there are a700,000 km of forest roads on United States Forest
Service (USFS) lands (Elseroad et al. 2003). The term "forest roads" refers to paved and
unpaved roads that connect national forests to the existing state highway system (23 USC
§ 101). Many of these forest roads were constructed for timber extraction on USFS lands
and are no longer being used nor maintained (USFS 2001). These roads are managed in
accordance with Best Management Practices (BMPs) of the USFS, which can be defined
as practices that are determined to be an effective way of preventing or reducing nonpoint
source pollution to a level compatible with water-quality goals (USFS 1980). Removal
of pipe culverts at stream crossings and replacement with open-arch culverts is a practice
that is widely performed because of the perceived long-term benefits of flood prevention
and fish-passage improvement (Ice et al. 2004). However, the effectiveness of the BMPs
which are applied during reconstruction in preventing short-term physical and biological
degradation of aquatic systems has not been examined in detail (Luce 1997).
The objective of this study was to quantify the short-term (0-2 years) impacts of
stream-crossing reconstruction projects, using current USFS Best Management Practices
(BMPs), on a variety of physical and biological characteristics of six streams in the
Klamath National Forest (KNF) of Northern California. These characteristics included
stream-channel morphology, hydrology, and composition of benthic macroinvertebrate
assemblages. I examined physical and biological characteristics of these streams before
(Y0-pre), just after (Y0-post), one year after (Y1), and two years after (Y2) culvert
removal using a Before-After-Control-Impact (BACI) study design. The null hypothesis
was that there would be no difference in the physical and biological characteristics in
these streams before and after the stream-crossings were reconstructed.
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Methods
General Site Description
The KNF of Northern California is a mountainous, densely forested region with
little human development (Fig. 2.1). Covering an area of about 690,000 ha, it has a total
relief of 2500 m. The forest is drained by the Klamath River and its main tributaries,
which include the Salmon, Scott, and Shasta rivers. The Klamath Mountains are
characterized by steep, rugged terrain formed of folded and faulted Mesozoic and
Paleozoic Era rocks (USFS 1998). The climate is characterized by cool, wet winters and
warm, dry summers. Annual precipitation ranges from an average of about 250 mm in
low elevations to 2,500 mm at high elevations, increasing from east to west.
Precipitation falls mainly in the form of rain below 1,250 m and snow above 1,250 m.
The riparian community consists of a variety of tree species in mixed-conifer stands
including (but not limited to) alder (Alnus spp.), willow (Salix spp.), Douglas fir
(Pseudotsuga menziesii), and sub-alpine fir (Abies spp.). The biodiversity of this region
is among the highest in the world for temperate coniferous forests (DellaSala 1999).
The hydrology of the KNF is characterized by high-flows in winter and spring
followed by an extended low-flow season in summer. Peak floods, which occur in
winter, are rain-on-snow events, whereas average floods, which occur in spring, are
snowmelt dominated. Rain-on-snow events are one of the most significant weatherrelated hazards that affect the forest-road system (USFS 1998). Within the past 35 years,
there have been about 10 summer debris flows on the KNF generated by intense
convective storms in the summer (North and South Fork Salmon River, Seiad Creek, and
Beaver Creek). These events are different than the winter debris flows in that large
amounts of sediment are delivered to streams and rivers during slow flow conditions (J.
Fuente, personal communication). Such events can cause high flows and large amounts
of sediment and debris transport, which can fill or overload culverts. In the past, stream
crossings on forest roads were typically designed to convey a 25-year flood, and the
designs did not typically plan for debris from upstream (USFS 1998). New construction
at stream crossings is designed to convey a 100-year flood and to accommodate debris
from upstream (USFS 1998). Landslides are another weather-related hazard for forest
roads, and although they occur naturally, management activities have more than doubled
the sediment production as a result of landslides in the KNF (USFS 1998).
Six streams that were scheduled for stream-crossing reconstruction in the KNF
were selected for monitoring. These streams were prioritized for reconstruction by USFS
because of their potential as migration barriers to fish and their risk of catastrophic
failure. Culverts at these streams were originally scheduled to be replaced during the
same year, but as a result of construction delays four culverts were replaced in 2004 and
the other two were replaced in 2005. Because each stream was monitored prior to
reconstruction and two years following reconstruction, this study was conducted over
four years. The stream-crossings at the sites all contained pipe culverts of similar
dimensions, ranging from 2.1 m to 3.6 m in diameter and 13 m to 31 m in length, and
were all replaced with open-arched culverts of similar design (Fig. 2.2). Prior to stream-
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crossing reconstruction, migration barriers at the downstream ends of the culverts, which
were in the form of scour pools, ranged in height from 1.0 m to 2.8 m (Table 2.1).
Several high flows occurred during the study period that may have resulted in bed
mobilization and sediment transport. The USGS operates three stream gages in the
region that provide relevant information (Fig. 2.3). The Indian Creek gage is likely the
most representative of the hydrology at the sites because it is located on the smallest
stream, although it is still fairly large relative to the study sites. The other gages are
located on large rivers. In steep, boulder, step-pool streams, similar to those in the study,
there are two phases of bed mobility: finer grained sediment stored in pools gets
mobilized near bankfull, while the larger, cobble and boulder classes that makeup the
steps get mobilized much less frequently, i.e., >10 years (Lisle 1995, Montgomery and
Buffington 1997). The typical recurrence interval of these bankfull discharges is
approximately 1.5 years (Dunne and Leopold 1978). At the Indian Creek gaging station,
bankfull discharge would occur at flows >130 m3/s, based on 55 years of USGS flow
records. At lower discharges, partial scour of the bed and consequent disturbance of
benthic macroinvertebrates could occur (Power et al. 2008). During the study period,
bankfull discharges at the Indian Creek gage occurred in water years 2005, 2006, and
2007. The 2006 flood was the largest that occurred during the study. It had a peak
discharge of 560 m3/s at Indian Creek and an 11-year return period. The mean annual
flood at Indian Creek was 225 m3/s. The 2006 flood had a return period of 11 years at the
Scott River near Fort Jones, CA, based on 67 years of gage records, and 14 years at the
Klamath River near Seiad Valley, CA, based on 70 years of gage records. A study by
Keppeleer, Cafferata, and Baxter (2007) showed a peak in sediment load following the
2006 winter flood along a forest road in Jackson State Forest, another mountainous
forested region in Northern California. The results of their study suggest that such flood
events can be very detrimental in terms of altering channel configuration and increasing
sediment load to the best management attempts for reconstructing stream crossings.
Channel Morphology
Stream crossings were surveyed before culvert removal to quantify the
dimensions (length and diameter) of the culverts, the slope of the culverts, and the
amount of fill material surrounding the culverts. These surveys of the stream-crossings
were also used to assess the long-term benefits of the projects, such as improved fish
passage and reduced risk of catastrophic failure that could occur during storm events.
Channel cross-sections were surveyed with an auto level prior to stream-crossing
reconstruction (Y0-pre), one year after reconstruction (Y1), and two years after
reconstruction (Y2). Seven cross-sections were surveyed upstream of each streamcrossing (XU1-XU7) and five were surveyed downstream (XD1-XD5). The first crosssections upstream (XU1) and downstream (XD1) were installed 2 m from the upstream
and downstream ends of the culvert, respectively. The edges of all the cross-sections
except for XU1 and XD1 were monumented throughout the study. Removal of fill
material during construction disturbed the original monuments at XU1 and XD1. The
first monumented upstream cross section (XU2) was surveyed just after stream-crossing
reconstruction (Y0-post) only at sites where extraction of fill material during construction
notably altered the cross-section. Spacing between cross-sections was determined using
the average bankfull width, with the upstream and downstream reaches treated separately.
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If bankfull width was < 3m, the cross-sections were spaced 3 bankfull widths apart, and if
bankfull width was > 3m, the cross-sections were spaced 4 bankfull widths apart.
Longitudinal profiles were surveyed with an automated level prior to streamcrossing reconstruction (Y0-pre), just after reconstruction (Y0-post), one year after
reconstruction (Y1), and two years after reconstruction (Y2). The longitudinal profiles
followed the thalweg of the channel, starting 20 m above the most upstream cross-section
and extending 20 m below the most downstream cross-section. Thalweg migration
resulted in annual variation in distances measured along the longitudinal profile, which
caused the cross-sections to differ in their locations along the longitudinal profile from
year to year. To facilitate comparisons between years, I scaled the distances along each
profile to maintain constant distances between the cross-sections over time. In addition, I
set the thalweg elevation changes along the longitudinal profile to match those measured
at each of the cross-sections because the longitudinal profiles, unlike the cross-sections,
were not surveyed relative to a monumented benchmark.
Sediment
To determine changes in sedimentation, I used measurements of riffle-surface
fine-sediment (<4 mm) (Cover et al., 2008), grain size distributions (Wolman 1954), and
measurements of fine-sediment deposited in sediment traps upstream and downstream of
the stream-crossing. Measurements of riffle-surface fine-sediment and grain size were
performed annually to monitor changes occurring in the two years after stream-crossing
reconstruction. Sediment trap measurements were performed once and were used to
monitor short-term (2-4 months) sedimentation that occurred during reconstruction.
Riffle-surface fine-sediment measurements were collected prior to streamcrossing reconstruction (Y0-pre), the year after reconstruction (Y1), and the second year
after reconstruction (Y2). Presence or absence of riffle-surface fine-sediment was
recorded at each of 210 point measurements at grid intersections on a 9' x 4' net with a 5"
grid. Two grid-transects were measured at each cross-section, one starting at the crosssection with the net facing upstream and the other one starting at the cross-section with
the net facing downstream.
Grain-size distributions were measured on the stream bed-surface using pebble
counts at four cross-sections upstream (XU4-XU7) and four cross-sections downstream
(XD2-XD5) of the road crossing. A minimum of 100 grains were measured per crosssection, for a total of 400 grains per upstream and downstream reach. I combined the
pebble count data into upstream and downstream groups and determined the D50 (the
median grain-size), the D16 (the grain-size class for which 16% of the particles are
smaller), and the D84 (the grain-size class for which 84% of the particles are smaller). I
chose these metrics because the D50 is useful for bedload transport calculations and the
D16 and D84 are useful in biological habitat evaluations (e.g., Kondolf 2000).
To assess the impacts of fine sediment on subsurface habitat, particularly
incubation habitat for gravel-spawning fish and burrowing habitat for invertebrates, I
measured streambed permeability (methods modified from Barnard and McBain 1994).
Reach-average subsurface gravel permeability was calculated from each of 10 in-situ
sample sites located upstream and downstream of each road crossing. Sample sites were
located in patches of gravel that ranged from 40 to 80mm in medial particle size. At each
site, a 3 cm diameter perforated standpipe was driven into the streambed to a depth of
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36cm, with a sampling depth of 14 to 22cm below the bed elevation. This grain size and
depth were chosen because it reflects the average egg-pocket depth and substrate size
used for spawning by several species of salmonids (Kondolf and Wolman 1993). Water
was pumped out of the upper 2.5 cm of the water column in the standpipe with a batterypowered vacuum pump into a measurement chamber. The rate at which interstitial water
refilled the void was measured, and five replicate samples were drawn for each standpipe
location. Permeability (cm/hr) was calculated from the inflow rate (ml/s) using
calibration curves (Barnard and McBain 1994).
Sediment traps consisted of a 17 cm diameter bowl filled with sieved and clean
bed material 20 - 30 mm in diameter (Fig. 2.4). Sediment traps were installed during the
dry period of the year, under base-flow conditions (Table 2.1) in locations that were
visually assessed to be depositional habitats (i.e., pools margins, etc). However, it was
not possible to control for the quality of depositional environments, i.e., some streams
may have had conditions that favored greater deposition than others. These traps were
buried in the streambed in low-velocity, depositional habitats (pools, margins, etc.)
within the wetted channel prior to stream-crossing reconstruction (Y0-pre) so that the
edges of the bowl were flush with the bed surface. Five traps were installed upstream
and five were installed downstream of the stream crossings. The sediment traps were
installed from XU4 through the top of the reach (20 meters above XU7) and from XD3
through the bottom of the reach (20 meters below XD5), and were removed from the bed
two to four months after stream-crossing reconstruction was complete (Table 2.1).
During trap removal, the original (20 - 30 mm) gravel pieces that were placed in
the traps were separated from the accumulated debris by washing the gravel particles
with a pressurized spray of water. Accumulated debris was passed through a sieve to
initially divide the material into two size fractions, <0.5 mm and >0.5 mm. The >0.5 mm
material was stored in 95% ethanol to preserve the benthic macroinvertebrates that had
colonized the sediment trap. The <0.5 mm material was stored in water. In the laboratory,
the >0.5 mm fraction was examined under a stereo microscope at 10x magnification and
all invertebrates were removed. Large pieces of organic matter (leaves, twigs, etc.) were
also separated out from the sediment sample, and were dried and weighed. The >0.5 mm
sample was then processed identically to the <0.5 mm sample. Both samples were treated
with a series of hydrogen peroxide baths to dissolve the particulate organic matter. Baths
were continued until further additions of hydrogen peroxide failed to produce a reaction.
The remaining inorganic sediment was wet sieved into eight grain-size classes ranging
from 0.063 to 4mm, dried, and weighed. Unfortunately, information from two of the
sites, LBC and STC, was lost during processing.
Benthic Macroinvertebrates
To determine changes in macroinvertebrate communities, I used two sampling
approaches: (1) targeted-riffle samples and (2) colonization samples from the sediment
traps. Targeted-riffle samples measured changes in resident macroinvertebrate
communities over the first two years before and after stream-crossing reconstruction.
Colonization samples measured short-term changes in colonizing macroinvertebrate
communities occurring over the first two to four months during and after reconstruction.
The targeted-riffle samples consisted of a composite of eight 0.09 m2, fixed-area
samples taken from four different fast water habitats including riffles, rapids, cascades,
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and steps (Rehn et al. 2007). Two separate 0.09 m², fixed-area samples were taken from
each habitat unit with rapidly flowing water for a total of eight samples per upstream and
downstream reach. Samples were collected before stream-crossing reconstruction, one
year after reconstruction, and two years after reconstruction. This sampling approach
conformed to the standard USFS bioassessment protocol and was chosen to also allow
samples to be analyzed using River Invertebrate Prediction and Classification System
(RIVPACS) type models (Hawkins et al. 2000). Laboratory sorting and identifications of
the targeted-riffle samples were done at the National Aquatic Monitoring Center (Utah
State University, Logan, Utah), following their established laboratory methods, which are
described in Vinson and Hawkins (1996). Organisms were identified to the lowest
practical taxonomic level, usually genus or species, except for Chironomidae (subfamily),
Collembola (order), Trombidiformes (order), Oligochaeta (class), Ostracoda (class),
Turbellaria (class), and Nematoda (Phylum).
The macroinvertebrates from the colonization samples were sorted at 10x
magnification under a stereomicroscope, and the insects in these samples were identified
to genus, and other macroinvertebrates to family (gastropods, crayfish, amphipods), order
(ostracods, water mites), or class (segmented worms), using identification keys in Merritt
et al. (2007) and Thorp and Covich (2001). I selected biological metrics a priori based
on the likelihood that they would be able to detect a change in the colonizing
macroinvertebrate community associated with a sedimentation impact (Waters 1995,
Angradi 1999). These metrics included three metrics of diversity (taxa richness, Shannon
Diversity Index, and % dominant taxon), three metrics of pollution-tolerance (% EPT
taxa [the insect orders Ephemeroptera, Plecoptera, and Trichoptera], % EPT individuals,
and HBI [Hilsenhoff Biotic Index], (Hilsenhoff 1982, 1987), and the proportion of
functional feeding groups in each sample (% collector filterers, % collector gatherers, %
predators, % scrapers, and % shredders). In addition, I chose ten insect genera that had
previously been determined to be sensitive to riffle-surface fine-sediment in the Klamath
National Forest (Cover et al., 2008), and used these taxa separately as individual metrics.
For most of these metrics, I expected a decrease in the metric value in response to finesediment. However, for percent dominant taxon and HBI I expected an increase. For the
functional feeding groups, I expected a noticeable shift in the proportions contained
within each group.
Data Analysis
I used statistical hypothesis testing to analyze all the data except for the channelmorphology information. I avoided pseudoreplication in each experiment by combining
all the upstream and downstream data into groups and treating the sites as replicates
rather than treating each individual measurement at each site as a replicate.
Pseudoreplication was not an issue in the analysis of the channel morphology because I
did not use inferential statistics. Prior to running the statistical tests I tested the
distributions for normality using the Shapiro-Wilk (1965) test, which informed my choice
between a parametric test (assumption of normality) and a non-parametric test. Because
deposition of fine-sediment associated with stream-crossing reconstruction was likely to
affect only the downstream reach, I treated upstream of the stream-crossing as the control
and downstream as the test condition. These statistical tests conformed to the BeforeAfter-Control-Impact (BACI) study design (Smith et al. 1993).
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Channel Morphology
To quantify the potential long-term benefits of the stream-crossing
reconstructions, I determined the height of the migration barrier below the downstream
end of the culvert prior to removal (Y0-pre), and compared this to the maximum jumping
heights for rainbow trout (Whyte et al. 1997), which are found in this region. I also
calculated the volume and percent of fill that was removed during the construction
process as a measure of the potential sediment delivery to the stream if the stream
crossing had failed. This is a worst case scenario, since a proportion of the fill usually
remains on-site during such events. To determine changes in channel morphology, I
separately examined the upstream portion of the longitudinal profiles, the downstream
portion of the profiles, and the entire length of the longitudinal profiles over three time
periods: (1) prior to stream-crossing reconstruction (Y0-pre) to just following
reconstruction (Y0-post), (2) prior to reconstruction (Y0-pre) to one year after
reconstruction (Y1) , and (3) prior to reconstruction (Y0-pre) to two years after
reconstruction (Y2). In each case, I plotted the longitudinal profile, fit a trend-line
through it using linear regression, determined the slope of the profile from this trend-line,
and compared the changes in slope over the three time periods. In addition, I used the yintercept of the trend line to determine if incision or aggradation had occurred in each
study reach following culvert removal. A decrease in the y-intercept indicates incision,
whereas an increase indicates aggradation. Any elevation change <0.5 m over the length
of the longitudinal profile was decided a priori to be insignificant because it is within the
range of measurement error for repeated surveys.
To determine if incision or aggradation was occurring as a result of the streamcrossing reconstruction, I examined the monumented upstream and downstream crosssections (XU2-XU7 and XD2-XD5) and calculated the areas of these cross-sections using
trapezoidal integration. I focused on the first monumented upstream (XU2) and
downstream (XD2) cross-sections because I hypothesized that these would be most
impacted by grade changes resulting from stream-crossing reconstruction because of their
proximity to the stream crossing.
I also examined the distribution of pools upstream and downstream of the streamcrossings prior to reconstruction (Y0-pre), just after reconstruction (Y0-post), one year
after reconstruction (Y1), and two years after reconstruction (Y2). Pools were defined
using a minimum depth criterion of 0.5 m (Montgomery and Buffington 1997). I
calculated the total number of pools and the average depth of pools in each upstream and
downstream reach at all of the sites. The upstream and downstream reach lengths
investigated ranged from 77 m to 153 m. In addition, I determined the maximum depth
of the first pool downstream of the stream crossing, which would have been the plunge
pool prior to removal of the culvert (Y0-pre).
Sediment
To determine changes in short-term fine-sediment deposition (i.e., just before and
after stream-crossing reconstruction) I compared the average volume of fine-sediment
deposited in the five sediment traps upstream and downstream of each stream crossing.
The sediment traps were installed during the dry-period of the year, under base-flow
conditions (Table 2.1). Although some streams may have had more or better depositional
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environments than others, the sediment traps were installed in locations that were visually
estimated to be primarily depositional environments.
To determine the changes in riffle-surface fine-sediment over the two years
following stream-crossing reconstruction (Y1 and Y2), I used a Before-After-ControlImpact (BACI) study design (Smith et al. 2003). First, I computed the percent rifflesurface fine-sediment along reaches upstream and downstream of the stream-crossings
and found the difference (di) between these percentages. Then, I performed an ANOVA
on di to test for differences between upstream and downstream between any years of the
study.
I used the same BACI design to determine changes in grain-size distributions on
the bed-surface upstream and downstream of the culverts over the two years following
stream-crossing reconstruction between combinations of any of the years of the study
(e.g., Y0-pre and Y1, Y0-pre and Y2, and Y1 and Y2). Because this data did not meet
the normality assumptions, I performed a non-parametric Wilcoxon Signed Rank test on
the difference between the D50 upstream and downstream at each site.
Benthic Macroinvertebrates
I analyzed the macroinvertebrate data from the targeted-riffle samples using an
approach based on Coefficients of Variation (CV = SD/mean x 100, expressed as a
percent). This approach was selected over the standard approach of directly comparing
metric values because it allowed me to cumulatively analyze the within-site variability of
multiple metrics over time. The CV-based analytical approach involved selection and
calculation of 14 metrics, comparison of metric values over the time periods of the study,
examination of site-specific effects, and comparison of effects with responses of
individual taxa (Fig. 2.5). First, I calculated Coefficients of Variation for each metric
based on the six sites. Then, I compared each of these CVs with a composite value of a
CV obtained for these metrics from relatively undisturbed sites reported in a variety of
long-term studies conducted in California outside of the Klamath region (Resh 1979,
Rosenberg and Resh 1982, Lamberti and Resh 1985, Resh and Jackson 1993, Resh et al.
1995, Resh et al. 2000, Mazor 2006, Mazor et al. 2009, and Resh, unpublished data). I
selected the approximate median estimate of annual variability for each metric reported in
previous studies: richness (30%), abundance (50%), Simpson's diversity index (30%), #
of HBI intolerant taxa (30%), # of HBI tolerant taxa (30%), # of Ephemeroptera taxa
(50%), Ephemeroptera abundance (50%), # of Trichoptera taxa (50%), Trichoptera
abundance (50%), # of Plecoptera taxa (50%), Plecoptera abundance (50%), EPT
abundance (50%), EPT richness (30%), and % EPT (50%). In addition to comparing the
CVs from this study to the CVs representing reported values of natural variability, I also
compared the CVs found in this study to CVs that would represent 50% of the natural
variability reported, which is a more conservative approach to detect variability.
The individual taxa were composed of ten genera that were selected a priori
because they have previously been determined to be sensitive to fine-sediment in the
KMF (Cover et al. 2008). These genera were analyzed in terms of absolute differences in
abundance over the time periods of the study. I sought to determine which of these taxa
were most responsive and which sites tended to show the largest effects on taxa.
I analyzed the macroinvertebrate data from the colonization traps using
composited samples from upstream and downstream to avoid pseudoreplication. A
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paired t-test (paired by stream) was used to test for significant differences (Į = 0.05) in
metric values from samples upstream and downstream of each culvert for all six sites.
For all metrics except EPT Individuals, the statistical power (ȕ) of each of these tests
determined post-hoc was below ȕ = 0.80. Thus, any lack of significant differences
should be interpreted with caution.
Results
Channel Morphology
The potential migration barriers that were removed, i.e., the elevation drop at the
downstream end of the culverts prior to reconstruction, and the volumes of fill material
removed varied among the sites (Table 2.1). For example, the largest migration barrier of
2.8 m in LBC was 1.8 m higher than the smallest barrier in STC. The values ranged from
1.0 m to 2.8 m. UEC had the largest percentage of its fill removed (99%) of all the sites.
The values ranged from 4% to 99%.
Channel slope upstream of stream-crossings, and at some of the sites downstream
of the crossings, became steeper following culvert removal (Table 2.2). In BIC, for
example, the slope of the upstream reach was originally less steep than downstream, but
the slopes equilibrated by the second year after culvert removal (Y2). The largest
difference in slope between upstream and downstream prior to construction (Y0-pre) was
in LBC. However, by the second year after culvert removal (Y2) this difference was
reduced by nearly 50% due to steepening in the upstream reach. Over the entire length of
the longitudinal profile (Fig. 2.6), the change in the slope of was small ( 1.5%) at all
sites, and no incision or aggradation was evident (all changes in the y-intercept of the
trend lines were  0.5 m). Culvert repositioning to a lower slope could account for the
change.
Cross-sections showed notable changes extending 20-40 m upstream of some of
the culverts, and minimal changes extending downstream (Fig. 2.7). The changes were a
result of a combination of the extraction of fill material during construction and the 2006
floods. Over the two years following stream-crossing reconstruction (Y0-pre to Y2),
BIC, CEC, UEC, and LBC incised upstream about one meter on average and STC
aggraded about half a meter (Fig. 2.8). The largest magnitude change was in LBC, which
incised over two meters in a portion of the channel. Incision was accompanied by an
increase in cross section area. The cross-section area of XU2, for instance, increased as a
result of fill extraction during culvert removal in LBC (increase of 14 m2), BIC (increase
of 12 m2), and UEC (increase of 13 m2) (Table 2.3). The 2006 floods caused further
incision in BIC (increase of 3m2), CEC (increase of 2 m2), and UEC (increase of 1 m2)
(Fig. 2.8, Table 2.3). UBC was the most stable of all the sites.
Downstream of the stream-crossings, the changes in cross-sections were smaller
(Fig 2.9). CEC incised about 0.25 m on the right bank, which was compensated for by
about 0.5 m of aggradation on the left bank. UEC incised about 0.25 m, UBC and LBC
aggraded about 0.5 m on average, and BIC changed by less than 0.1 m. The areas of the
first monumented downstream cross-section (XU2) increased by small amounts (1-2 m2)
compared to upstream. For example, the cross section area of STC increased by 2 m2
between the year prior to construction (Y0-pre) and the year after construction (Y1). The
XU2 cross-section in BIC, CEC, UBC, and LBC increased in area by 1 m2 during this

45

study period. Many of these changes in cross-section area downstream returned closer to
pre-construction (Y0-pre) levels between the first (Y1) and second (Y2) year after
stream-crossing reconstruction
The distribution of pools changed notably following stream-crossing
reconstruction. The depth of the first pool downstream of the road-crossing, for example,
decreased in all six sites following reconstruction (Table 2.4). The first downstream pool
in LBC, which was the largest of the six sites, was reduced in depth by about 1 m as a
result of the addition of boulders to the channel during construction. The total number of
pools along the entire longitudinal profiles, including upstream and downstream of all
sites, decreased from 37 before reconstruction (Y0-pre), to 28 just after reconstruction
(Y0-post), before settling at 22 the first year after reconstruction (Y1) and 23 the second
year after reconstruction (Y2).
Sediment
There was no significant difference overall in fine-sediment on the surface of
riffles between upstream (X = 13%) and downstream (X = 14%) reaches among years
(Prob>F = 0.30). However, there was evidence for increased levels of riffle-surface finesediment in downstream reaches following construction in three out of six sites (Fig.
2.10). For example, riffle-surface fine-sediment in the downstream reach of Upper Elk
Creek increased from 8% to 24% between the year prior to stream-crossing
reconstruction (Y0-pre) and the first year (Y1) after reconstruction (Fig. 2.10). In STC,
the amount of riffle-surface fine-sediment was eight percentage points higher
downstream than upstream in Y1 and 15 percentage points higher downstream than
upstream in Y2. The difference was negligible in Y0-pre at this site (26% upstream vs.
27% downstream). In BIC, it was 11 percentage points higher downstream than
upstream in Y1 and three percentage points higher in Y2. The difference was again
negligible in Y0-pre (11% vs. 13%). There was no evidence for increased deposition of
fine-sediment following construction at the remaining three sites.
Trends in riffle-surface fine-sediment following stream-crossing reconstruction
were influenced more strongly by the flood year of 2006 than by the amount of time that
passed since the stream-crossing was reconstructed (i.e., the difference between Y0-pre
and Y1 or Y1 and Y2). The 2006 flood reduced the riffle-surface fine-sediment in the
channel downstream in four out of six streams. The large increase in fine-sediment in
UEC downstream of the stream-crossing the year following reconstruction, for example,
was reduced to nearly Y0-pre levels following the 2006 flood season (Fig. 2.10). Finesediment was 18% downstream in STC just following the flood season in 2006, and 27%
the year before. In BIC, it was 13% following the 2006 flood year, and 19% the year
before. In CEC and UBC, the 2006 floods did not have a notable effect.
I did not detect a significant change overall in the D50 between upstream and
downstream following the stream-crossing reconstructions (p = 0.653). In the year prior
to reconstruction, the difference in the D50 between upstream and downstream ranged
from 9 mm to 129 mm (Table 2.5). Only one site, CEC, had a large difference between
upstream and downstream. Neither the D16 (p = 0.237) nor the D84 (p = 0.567) were
significantly different between upstream and downstream. The average D16 over all sites
and years was the same upstream (X = 5 mm) and downstream (X = 5 mm) of the streamcrossing, and the average D84 was nearly the same (X = 443 mm vs. X = 447 mm). This
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narrow range indicates that the D16 and D84 were more uniform among the sites than the
D50. The 2006 flood did not distinctly impact any of the grain size distributions.
Likewise, distinct trends in the D50 were not evident following stream-crossing
reconstruction (Table 2.5). For example, from Y0-pre to Y1, half of the sites showed an
increase in the D50 upstream of the stream-crossing and half showed a decrease. During
this same period, four of the sites showed a decrease in the D50 downstream of the
stream-crossing and two showed an increase. Between Y0-pre and Y2, four of the sites
upstream of the culvert showed an increase in the D50 and two of the sites showed a
decrease. During this same period, five of the sites showed an increase in the D50
downstream of the stream-crossing and one showed an increase. Following the flood
year of 2006, five out of six sites showed an increase in the D50 upstream of the streamcrossing, whereas only half the sites showed an increase downstream.
Subsurface permeability values were highly variable within and among years and
no consistent patterns were observed between upstream and downstream sampling
locations (Fig. 2.11). The average CV within a sample site was low (7 %), indicating a
high degree of precision within an individual site. However, these in-situ measurements
represent subsurface flow rates in small patches of the streambed, and can be biased
toward artificially high values in coarse bedded streams (Kondolf et al. 2008). My results
indicate that these coarse bedded, predominantly step-pool morphology streams, have
highly variable subsurface flow conditions. Subsurface flow rates are greatly affected by
the abundance of fine sediment stored in interstitial spaces, and high values result in
greater egg survival of salmonids and can affect burrowing habitat for invertebrates
(Chapman 1988).
The total amount of fine-sediment deposited in the sediment traps in the four sites
with information available (BIC, CEC, UEC, and UBC) was significantly higher
downstream (X=1163 g, SD = 267) than upstream (X = 148 g, SD = 44) of the streamcrossings (P<0.001), which was a 685% change. The amount of sediment deposited
varied by site. UBC had the highest amount of total deposited sediment (X = 848 g, SD
= 263) and CEC (X = 39 g, SD = 12) had the lowest.
The amount of fine-sediment in the <500 μm size fractions deposited in the
sediment traps was higher downstream than upstream in all four sites (Fig. 2.12). In
UBC, for example, the amount of fine-sediment deposited downstream was 848 g (SD =
263), while only 94 g (SD = 42) was deposited upstream. In UEC, the amount of finesediment deposited downstream was 180 g (SD = 47), while upstream only 36 g (SD = 9)
was deposited. This difference was not significant overall (p = 0.20), however, due to the
low sample size and high variability among sites.
Benthic Macroinvertebrates
In the targeted riffle-samples, only four out of the fourteen selected metrics
responded as predicted with a distinct pattern (Table 2.7), however, the cumulative
number of comparisons among all the metrics that showed changes outside the range of
expected natural variability in the direction most likely to reflect an impact associated
with elevated levels of fine-sediment was significantly higher downstream than upstream
(Table 2.8). The four metrics that showed a distinct pattern were # of HBI tolerant taxa,
Ephemeroptera taxa richness, % EPT, and EPT richness (Table 2.7). The number of
comparisons of these four metrics that exceeded the expected natural variability was
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higher downstream of the stream-crossing than upstream, and the number that exceeded
one-half the expected natural variability was also higher downstream of the streamcrossing than upstream (Table 2.9). The number of comparisons that exceeded the
expected natural variability was highest at LBC (4 metrics) and UEC (3 metrics) (Table
2.9). In the other creeks (e.g., BIC, CEC, UBC, and STC), it was evident in only one or
two of these four metrics (Table 2.9).
In addition, some metrics exceeded natural CVs more often than others, some
sites showed more variability than others, and some taxa were more sensitive than others.
The two EPT metrics showed the most downstream impacts (e.g., in four of the six
streams), whereas the # of HBI tolerant taxa and # of ephemeroptera taxa metrics showed
an impact in only two of the six streams (Table 2.9). The total number of comparisons
that exceeded CVs representing natural (and one-half) variability going in the predicted
direction was highest in LBC (Table 2.8). Among the sediment-sensitive taxa,
Chironominae showed the clearest pattern reflective of an impact; Chironominae
abundance was lower downstream than upstream in seven out of 12 comparisons after
stream-crossing reconstruction, and zero out of six comparisons prior to reconstruction
(Table 2.10).
In the 59 colonization samples, a total of 17,851 organisms were found,
comprising 54 distinct taxa. The most common taxa were the chironomid midges
(10,078 individuals), lepidostomatid caddisflies (Trichoptera: Lepidostomatidae; 1,477
individuals), and chloroperlid stoneflies (Plecoptera: Chloroperlidae; 1,013 individuals).
Other common organisms included the ostracods (871 individuals), biting midges
(Diptera: Ceratopogonidae; 691 individuals), and Paraleptophlebia mayflies
(Ephemeroptera: Leptophlebiidae; 571 individuals). The abundances of individual EPT
taxa were generally lower downstream than upstream (Table 2.11). In addition, the total
abundance of EPT organisms was lower downstream (984) than upstream (3,574).
Only two metrics calculated for the colonization samples were significantly
different between upstream and downstream reaches. These were the proportion of EPT
taxa (48.6% vs. 42.1%, P = 0.02) and EPT individuals (27.3% vs. 19.5%, P = 0.005),
which were significantly lower downstream than upstream.
Discussion
Forest roads can impact the physical and biological characteristics of streams
(USFS 2001). For example, stream crossings can act as migration barriers to fish and
benthic macroinvertebrates (Thomson and Lee 2000), can disrupt food-web linkages
between aquatic and terrestrial ecosystems (Switalski et al. 2004), and can fail
completely, resulting in large pulses of sediment, and initiating or adding to debris flows
(Wemple et al. 2001). Debris flows can reduce macroinvertebrate diversity (Cover et al.
2008) and cause localized extirpations of salmonids (Lamberti et al. 1991, Roghair et al.
2002) in the short-term, and can cause dramatic changes in channel morphology (May
and Gresswell 2003, May and Lee 2004) in the long-term. Stream-crossing
reconstruction is a practice that aims to reduce migration barriers to aquatic species and
the harm and risk associated with culverts at stream crossings. In this study, we observed
significant short-term effects of stream-crossing reconstruction on aquatic habitats and
biota.

48

Streams in this study exhibited dynamic responses to stream-crossing
reconstruction because culverts were acting as grade-control structures. Although the
overall changes in channel slope and cross-section dimensions were small over the 2-year
period examined in this study, site-specific effects were more notable. Geomorphic
responses were particularly evident during the 2006 flood, a large magnitude (10-20 year
return interval) event. Several sites experienced incision extending 20-40 m upstream of
the stream crossings, caused by a combination of sediment removal by construction
activities and a geomorphic response to the removal the grade-control structure. This
incision was likely a result of the loss of sediment that had accumulated after the culvert
was originally inserted, because sediment has been widely observed to accumulate
upstream after culvert installation (Wellman et al. 2000, Jackson 2003).
I did not observe a systematic increase in riffle-surface fine-sediment upstream or
downstream of the stream crossings after reconstruction because, relative to streams in
other mountainous landscapes, streams in the Klamath Mountains are steep in relation to
their respective drainage areas and have a naturally high sediment-transport capacity
(May 2007). Thus, any increase in fine-sediment supply would most likely have been
transported out of riffles. The observed decrease in the amount of fine sediment on the
bed surface in riffles downstream of the culverts in many of the sites following the largest
flood year during the study demonstrates the channel's capacity to flush itself of fine
sediments. This agrees with other studies that have shown that steep alluvial channels
(cascade and step pool) have high ratios of transport capacity to sediment supply and are
resilient to changes in discharge and sediment supply (Montgomery and Buffington
1997). Although changes in riffle-surface fine-sediment were only evident at some sites,
large changes in fine-sediment deposition in traps were evident in all the sites examined,
which suggests that fine sediment that was potentially introduced during the
reconstruction was flushed through riffles and deposited in depositional areas.
The increased variability indicated by the CVs of metrics describing the benthicmacroinvertebrate communities downstream of the stream-crossings may reflect the
response of these communities to increased habitat heterogeneity or patchiness. Increases
in sediment patchiness can certainly have effects on spatial patterns and inter-sample
variability of benthic-macroinvertebrate communities (Resh 1979, Palmer et al. 1996).
The higher than expected variability in the biological metrics downstream of the stream
crossings may reflect the increase in the fine sediment deposited in the traps, which could
have been redistributed from the bottom substrate of the plunge pools or washed out
directly from the stream-crossing fill-material or the associated construction zone. The
pebble-count information supports the observed increase in habitat heterogeneity. For
example, the average inter-annual variability in the D50 was 47% higher downstream (SD
= 38 mm) than upstream (SD = 26 mm), even though the average difference between
upstream and downstream from year to year was not significantly different.
Specific metrics were more useful in indicating change in the benthicmacroinvertebrate communities than others. The four most responsive metrics (# of HBI
tolerant taxa, ephemeroptera taxa richness, % EPT, and EPT richness) that indicated
change in the resident benthic-macroinvertebrate communities (i.e., those from the
targeted-riffle samples) in the predicted direction of impact are widely known to be
reliable indicators of disturbance (Klemm et al. 2002). In the sediment trap samples, the
lower EPT metric values downstream of the stream crossings indicates that the stream-
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crossing reconstructions may have exerted some negative influence on these disturbancesensitive orders of mayflies [E], stoneflies [P], and caddisfies [T]. The EPT metrics have
been shown to be stable at reference sites and to effectively track changes in water
quality (Wallace et al. 1996), so a consistent decrease in these values is a cause for
concern. Of the sediment-sensitive taxa, Chironominae was most informative in
revealing change in the predicted direction of a fine-sediment impact. The abundance of
Chironominae was lower downstream than upstream at every site in at least one year
following reconstruction (Y1 or Y2), and the downstream abundances were up to three
times lower. The sensitivity of specific taxa to increases in fine sediment is consistent
with Hawkins (1984), Angradi (1999), Relyea et al. (2000), and Cover et al. (2008).
The streams stabilized to some degree during the first year following streamcrossing reconstruction, which is evidenced by the changes being smaller between the
year after reconstruction (Y1) and the second year after reconstruction (Y2) than between
the year before (Y0-pre) and the first year after (Y1). For example, incision in the cross
sections upstream of the stream crossing between Y1 and Y2 was lower than during
earlier periods (i.e., Y0-pre and Y1). The number of biological metric comparisons that
exceeded half the expected natural variability between Y1 andY2 was not significant,
whereas it was significant in all other comparisons (Table 2.4). A visual inspection of all
sites in 2009 and a re-survey of the channel in LBC revealed no changes in channel
morphology since the last measurements were taken in 2006 or 2007.
LBC may have been the site with the most site-specific effects (Table 2.12)
because the channel extremely embedded, which was determined by visual observation.
An increase in fine-sediment could have had a more pronounced impact on the
macroinvertebrate communities at this site because there crevice spaces were severely
limited. In addition, LBC had the steepest slope of the six sites (Table 2.2) and the
highest elevation drop at the downstream end of the stream crossing prior to
reconstruction (Table 2.1), which suggests that the culvert may have had a more
prominent effect as a grade-control structure in this stream that it did in the other sites.
The migration barrier below of the culvert in LBC prior to reconstruction (Table 2.1)
would have prevented passage all the rainbow trout life-stages listed by Whyte et al.
(1997). Lastly, the construction process at LBC included the addition of numerous
boulders to fill the plunge pool, which was not done at all the sites.
UEC had the second highest site-specific effects (Table 2.12), which may have
been because it had the highest percentage of fill-material extracted during streamcrossing reconstruction (Table 2.1). The notes for UEC indicated that no dust abatement
for pre-construction work was observed, which may relate to the increase in finesediment observed on the surface of riffles in Y1. In addition, the notes indicate that
there appeared to be more fine-sediment below the crossing and that a silty biofilm was
distinctly present downstream. These fine-sediment issues may relate to the increased
heterogeneity in macroinvertebrate communities observed at this site (Table 2.12).
In conclusion, short-term impacts of stream-crossing reconstructions carried out
under current USFS BMPs were evident. The short-term (0-2 year) period has been
identified in previous studies as the most significant sedimentation period following
disturbance (Harris et al. 2008). The most notable impacts were incision upstream, finesediment deposition in depositional areas downstream, and increased patchiness of
benthic-macroinvertebrate communities downstream. Despite these short-term impacts
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on aquatic habitat and biota, stream-crossing reconstruction offers long-term benefits,
including improved fish- and benthic-macroinvertebrate passage and reduced risk of
catastrophic failure and flooding. Some of the issues identified that could have caused
some sites to have large effects while others did not included difficulty in fully
dewatering some sites (i.e., water traveling through bedrock fractures), erosion of the
stream bed when water was placed back in the channel, and the need for rip-rap along the
walls of the newly installed open-arch structures. Other unaccounted for differences
between sites were that different contractors did the work and BMP reviews were
conducted by different individuals. However, the intent of the BMP reviews was the
same. It was to determine: 1) which BMPs were incorporated into the construction
contracts, and if they were the most relevant to the project; 2) if the BMPs were
implemented on the ground; and 3) if the implemented BMPs were effective in mitigating
erosion and sedimentation. The relevant BMPs that were monitored at the fish passage
sites as part of the KNF non-random pool included the following: Erosion Control Plan
(BMP 2.2), Timing of Construction Activities (BMP 2.3), Stabilization of Road Slopes
and Spoil Disposal Areas (BMP 2.4) , Dispersion of Subsurface Drainage from Cut and
Fill Slopes (BMP 2.6) , Control of Road Drainage (BMP 2.7), Construction of Stable
Embankments (BMP 2.10), Control of Sidecast Material (BMP 2.11), Servicing and
Refueling of Equipment (BMP 2.12), Control of Construction in Streamside Management
Zones (BMP 2.13), Controlling In-Channel Excavation (BMP 2.14), Diversion of Flows
Around Construction Sites (BMP 2.15), Bridge and Culvert Installation (BMP 2.17),
Specify Rip Rap Composition (BMP 2.20), Maintenance of Roads (BMP 2.22), Road
Surface Treatment to Prevent Loss of Materials (BMP 2.23), Traffic Control During Wet
Periods (BMP 2.24), and Restoration of Borrow Pits and Quarries (BMP 2.27).
This study revealed the difficulties in fully tracking the stream-crossing
reconstruction process because problems can occur one day, be corrected the next, and no
field evidence of the problem may remain. The only plausible way to accomplish this
would be to have an inspector on site at all times during field operations. Nonetheless,
because the terrain and the techniques used were similar (though not identical) among the
sites, the long-term benefits of these reconstruction projects should manifest to some
degree at all the sites, though some sites will inevitably benefit more than others.
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Fig. 2.1. The six study sites and stream-gage locations in the Klamath National Forest
(KNF), Northern California.
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Fig. 2.2 An example of (a) before and (b) after stream-crossing reconstruction from STC.
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Fig. 2.3. Hydrographs from USGS stream gages in the region during the study period.

60

Fig. 2.4. An example of the sediment traps before (a) and after (b) stream crossingreconstruction.
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Fig. 2.5. Flow chart for the analysis of biological data from the targeted-riffle samples.

62

Fig. 2.6. The longitudinal profiles of the six sites the year prior to stream-crossing
reconstruction (Y0-pre), just after reconstruction (Y0-post), one year after reconstruction
(Y1), and two years after reconstruction (Y2).
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Fig. 2.7. Channel-elevation change from the year prior to stream-crossing reconstruction
(Y0-pre) to the second year after reconstruction (Y2) pooled for all the sites, with
distance upstream (A) and downstream (B) of the stream crossings, determined using
cross-sectional data.
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Fig. 2.8. The first monumented upstream cross-section (XU2) at the six study sites, with
post-construction (Y0-post) information only at sites where notable incision was evident.
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Fig. 2.9. The first monumented downstream cross-section (XD2) at the six study sites.
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Fig. 2.10. Riffle-surface fine-sediment upstream and downstream at the six sites with
comparisons that had significant increases downstream highlighted with an asterisk.
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Fig. 2.11. Subsurface permeability measured at six streams in the KMF. Flow rates
measured upstream of reconstructed road crossings highlighted in gray; flow rates
measured downstream of road crossings highlighted in white. Center line of box plots
indicates the median value; upper and lower boundaries of the box represents the 25th and
75th quartile (respectively). Outlier points reside outside the 10th and 90th percentiles.
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Fig. 2.12. The amount of sediment deposited in the sediment traps grouped by size.
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BIC
CEC
LBC
STC
UBC
UEC

Site

Creek Name
Bishop Creek
Cecil Creek
Lower Boulder Creek
Stanza Creek
Upper Boulder Creek
Upper Elk Creek
41°40' 12"
41° 07' 12"
41° 37' 12"
41° 40' 12"
41° 15' 00"
41° 44' 24"

Latitude
-123°20' 60"
-123° 07' 48"
-123° 05' 60"
-123° 19' 12"
-122° 48' 36"
-123° 17' 60"

Longitude

Date Sediment Traps
Installed : Removed
8/4/2004 : 11/15/2004
7/28/2004 : 8/24/2004
7/6/2005 : 11/1/2005
6/23/2005 : 10/25/2005
8/19/2004 : 11/3/2004
7/14/2004 : 11/9/2004

Table 2.1. Site locations and description of activities
Completion
Date
10/16/2004
8/3/2004
10/10/2005
8/31/2005
10/1/2004
10/21/2004

Potential Migration Barrier
Prior to Reconstruction (m)
1.5
1.5
2.8
1.0
1.5
1.5

Fill Volume Removed (m3)
/ Percent Removed
1707 / 72%
28 / 4%
772 / 69%
4485 / 91%
629 / 31%
4378 / 99%

Table 2.2. Slopes of the longitudinal profiles overall, upstream (XU1-XU7), and
downstream (XD1-XD5).
Site
BIC

CEC

STC

LBC

UBC

UEC

Year
pre-Y0
post-Y0
Y1
Y2
pre-Y0
post-Y0
Y1
Y2
pre-Y0
post-Y0
Y1
Y2
pre-Y0
post-Y0
Y1
Y2
pre-Y0
post-Y0
Y1
Y2
pre-Y0
post-Y0
Y1
Y2

Overall Slope (%)
5.6
5.7
5.5
5.7
6.4
6.4
6.5
6.4
7.5
7.5
7.5
7.5
11.8
12
11.7
11.8
10.8
10.8
10.9
10.8
5.3
5.4
5.3
5.3

Upstream Slope (%)
4.6
4.8
5.1
5.7
6.5
6.7
6.9
7
6.9
7
6.7
6.9
9.3
9
10.7
10.7
10
10.7
10.1
10.3
5
5.7
5.5
5.8
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Downstream Slope (%)
5.9
6
6.2
5.7
7.1
7
7.5
7.5
8.6
8.7
8.5
9.2
11.7
11.7
12.1
12.3
10.7
9.8
11
11
5.4
5
5.3
5.2
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UEC

UBC

STC

LBC

CEC

Site
BIC

Study
Period
Y0-pre / Y0-post
Y1
Y2
Y0-pre / Y0-post
Y1
Y2
Y0-pre / Y0-post
Y1
Y2
Y0-pre / Y0-post
Y1
Y2
Y0-pre / Y0-post
Y1
Y2
Y0-pre / Y0-post
Y1
Y2

XU7
(m2)
4
5
4
32
35
34
11
11
10
10
10
8
16
16
16
13
13
12

XU6
(m2)
13
13
14
34
36
34
10
11
10
7
8
7
17
15
16
16
13
11

XU5
(m2)
6
6
7
20
22
17
25
27
26
14
16
15
12
7
7
17
17
15

XU4
(m2)
10
10
10
8
8
10
22
23
21
15
13
14
26
21
23
10
9
8

XU3
(m2)
6
16
12
15
15
14
18
20
20
8
7
7
69
65
64
21
20
20

XU2
(m2)
27 / 39
38
41
12
13
15
23 / 37
42
40
10
9
9
35
34
34
36 / 49
51
52

XD2
(m2)
15
16
16
12
13
12
11
12
11
22
24
23
19
20
17
8
8
9

XD3
(m2)
32
31
30
3
3
4
16
19
19
19
18
19
7
7
7
15
15
14

XD4
(m2)
41
40
40
18
17
16
13
8
10
23
22
24
18
18
17
15
15
15

XD5
(m2)
47
47
49
10
12
13
15
17
19
10
10
11
7
8
7
6
7
7

Table 2.3. Cross-section areas at the monumented upstream (XU2-XU7) and downstream cross-sections (XD2-XD5).
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BIC
CEC
UEC
UBC
LBC
STC

Site

Reach
Length
(m)
94 / 79
143 / 102
119 / 88
153 / 113
118 / 87
98 / 77

Before Reconstruction (Y0-pre)
Number
Ave. Pool
Max.Depth
of
Depth
of First DS
Pools
(m)
Pool (m)
1/2
0.80 / 0.83
1.20
2/3
0.69 / 0.70
1.23
4/2
0.67 / 0.84
1.07
6/2
0.64 / 0.65
0.96
7/5
0.66 / 0.66
1.50
2/1
0.61 / 0.64
0.76

Just After Reconstruction (Y0-post)
Number
Ave. Pool
Max.Depth
of
Depth
of First DS
Pools
(m)
Pool (m)
0/2
-- / 0.87
0.68
1/1
0.54 / 0.78
0.88
2/1
0.69 / 0.65
0.65
4/6
0.59 / 0.58
0.51
8/1
0.58 / 0.51
0.51
1/1
0.55 / 0.68
0.68

One Year Reconstruction (Y1)
Number
Ave. Pool
Max.Depth
of
Depth
of First DS
Pools
(m)
Pool (m)
0/1
-- / 0.74
0.91
1/1
0.54 / 0.54
0.54
2/1
0.65 / 0.59
0.61
2/3
0.62 / 0.60
0.6
5/4
0.69 / 0.59
0.51
2/0
0.74 / ---

Two Years Reconstruction (Y2)
Number
Ave. Pool
Max.Depth
of First DS
of
Depth
Pool (m)
Pools
(m)
0/1
-- / 0.71
0.71
4/0
0.57 / --3/3
0.60 / 0.61
0.53
2/4
0.64 / 0.61
0.53
4/2
0.57 / 0.59
0.51
0/0
-- / ---

Table 2.4. Pools upstream and downstream (US/DS) of the culverts prior to stream-crossing reconstruction (Y0-pre), just after
reconstruction (Y0-post), one year after reconstruction (Y1), and two years after reconstruction (Y2).
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BIC
CEC
UEC
UBC
LBC
STC
BIC
CEC
UEC
UBC
LBC
STC

Upstream

Downstream

Site

Treatment

D16 (mm)
Y0-pre
Y1
8
6
6
4
4
4
5
<4
<4
5
<4
<4
8
<4
6
5
5
4
<4
4
<4
5
<4
<4
Y2
5
4
5
5
4
<4
4
7
6
4
<4
<4

D50 (mm)
Y0-pre
Y1
67
82
128
113
91
66
186
145
123
252
50
69
58
53
257
445
118
112
164
117
104
178
70
23
Y2
64
134
90
237
157
61
59
264
84
166
114
91

D84 (mm)
Y0-pre
Y1
313
442
460
385
457
371
516
445
498
585
354
299
273
428
550
607
439
425
554
408
370
459
397
421
Y2
365
476
464
623
520
407
257
607
386
542
478
439

Table 2.5. Grain-size distributions upstream and downstream of the stream-crossings prior to stream-crossing reconstruction (Y0-pre),
one year after reconstruction (Y1), and two years after reconstruction (Y2).
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BIC
CEC
UEC
UBC

Site

Average Mass of Sediment
Deposited per Sediment Trap (g)
Upstream
Downstream
11.47 (6.39)
97.01 (21.11)
6.44 (6.07)
38.59 (12.32)
36.10 (8.86)
179.92 (46.69)
93.80 (42.44)
847.69 (263.38)
745%
499%
398%
804%

Percent Change
(Upstream vs Downstream)
5
5
4
5

Number of
Samples (N)

Upstream vs. Downstream
p-value
(į=0.05)
p = <0.001
p = <0.001
p = <0.001
p = <0.001

Table 2.6. Average mass of sediment deposited in the traps upstream and downstream of the stream-crossings at four sites (SD in
parentheses).
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# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

Predicted direction

Metric

# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

Predicted direction

Metric

# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

DS
18
3
1
10
4

Plecoptera
Abundance
Decrease
US
DS
18
18
10
12
2
5
15
17
7
8

# of Ephemeroptera
Taxa
Decrease
US
DS
18
18
2
2
0
1
3
6
0
3

Decrease

Predicted direction
US
18
2
0
7
2

Richness

Metric

Decrease
US
DS
18
18
7
10
1
5
12
13
5
7

% EPT

Ephemeroptera
Abundance
Decrease
US
DS
18
18
10
16
3
6
13
18
6
7

Decrease
US
DS
18
18
8
11
3
6
13
14
3
6

Abundance

US
18
8
4
12
4

EPT
Abundance
Decrease
DS
18
15
7
16
7

# of Trichoptera
Taxa
Decrease
US
DS
18
18
1
6
0
3
5
9
3
3

Simpson's Diversity
Index
Decrease
US
DS
18
18
9
14
2
5
13
18
6
8

US
18
2
0
6
2

Trichoptera
Abundance
Decrease
US
DS
18
18
9
15
4
7
14
17
8
8

# of HBI
Intolerant
Decrease
US
DS
18
18
10
15
7
8
12
17
9
10

EPT
Richness
Decrease
DS
18
5
3
9
5

# of Plecoptera
Taxa
Decrease
US
DS
18
18
2
3
0
1
6
7
1
3

US
18
13
5
13
5

# of HBI
Tolerant
Increase
DS
18
14
9
14
9

Table 2.7. Metrics with predicted directional response and the sum of comparisons between the year prior to (Y0-pre) and the year
after (Y1) stream-crossing reconstruction, the year prior to (Y0-pre) and the second year after (Y2), and the year after (Y1) and the
second year after (Y2).
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Y0-pre - Y1
Y0-pre - Y2
Y1 - Y2

Period

# of comparisons > natural CV
Upstream
Downstream
9 (1.8)
27 (4.0)
12 (2.4)
23 (2.3)
10 (2.7)
16 (1.6)

Significance
Į = 0.05
P = <0.001
P = <0.001
P = <0.001

# of comparisons > 1/2 natural CV
Upstream
Downstream
19 (1.9)
40 (4.0)
23 (2.3)
32 (1.2)
23 (2.9)
22 (2.4)

Significance
Į = 0.05
P = <0.001
P = <0.001
P = 0.383

Table 2.8. Cumulative number of comparisons among all the metrics that showed changes outside the range of expected natural
variability in the direction most likely to reflect an impact associated with elevated levels of fine-sediment in the channel.
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US
3
0
0
2
0

EPT Richness

# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

0
0
0
0

# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction
3
2
0
2
0

3

# of comparisons

# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

US

# of Ephemeroptera Taxa

US

3
3
2
3
2

# of comparisons
# of CVs > natural variability
# going in predicted direction
# of CVs > 1/2 natural variability
# going in predicted direction

% EPT

US

# of HBI Tolerant

Metric

BIC

3
0
0
2
1

DS

3
2
0
3
1

DS

0
0
2
0

3

DS

3
2
1
2
1

DS

3
0
0
0
0

US

3
2
0
2
0

US

0
0
0
0

3

US

3
3
0
3
0

US

CEC

3
0
0
1
1

DS

3
2
0
2
0

DS

0
0
0
0

3

DS

3
2
2
2
2

DS

3
2
0
2
0

US

3
0
0
2
2

US

1
0
2
0

3

US

3
2
0
2
0

US

LBC

3
1
1
2
2

DS

3
2
2
2
2

DS

0
0
2
2

3

DS

3
2
2
2
2

DS

3
0
0
1
0

US

3
0
0
1
1

US

0
0
0
0

3

US

3
0
0
0
0

US

STC

3
0
0
1
0

DS

3
0
0
1
1

DS

0
0
0
0

3

DS

3
3
2
3
2

DS

3
0
0
1
0

US

3
1
1
3
2

US

0
0
0
0

3

US

3
3
2
3
2

US

UBC

3
0
0
1
0

DS

3
2
2
3
2

DS

0
0
0
0

3

DS

3
3
2
3
2

DS

3
0
0
2
2

US

3
2
0
2
0

US

1
0
1
0

3

US

3
2
1
2
1

US

UEC

Table 2.9. Biological metrics indicating change as selected by stream site (US = upstream and DS = downstream).

3
2
1
2
1

DS

3
2
1
2
1

DS

2
1
2
1

3

DS

3
2
0
2
0

DS
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UEC
US / DS

UBC
US / DS

STC
US / DS

LBC
US / DS

CEC
US / DS

Predicted Direction
BIC
US / DS

Taxa

Y0-pre
Y1
Y2
Y0
Y1
Y2
Y0-pre
Y1
Y2
Y0-pre
Y1
Y2
Y0-pre
Y1
Y2
Y0-pre
Y1
Y2

Antocha
spp.
Decrease
0/0
22 / 16
0/0
0 / 16
27 / 16
6 / 105
0/0
0/0
43 / 0
0/0
11 / 5
0/0
0/0
0/0
12 / 32
0/9
22 / 10
0/0

Attenella
delantala
Increase
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0 / 32
0/0
0/0
0/0
0/0
0/0
0/0
0/0

Chironominae
Decrease
333 / 19
16 / 19
100 / 46
194 / 247
997 / 441
101 / 387
11 / 43
146 / 46
4688 / 1119
177 / 22
11 / 11
31 / 24
9 / 57
86 / 11
36 / 65
8 / 1221
65 / 129
22 / 17

Dicranota
spp.
Decrease
32 / 0
0/0
0/0
93 / 1
13 / 5
8/9
0 / 34
10 / 3
129 / 0
0/0
5/5
6/5
0/0
0/0
5/0
5 / 17
0/0
0/0

Drunella
doddsi
Decrease
32 / 3
11 / 16
14 / 9
452 / 66
134 / 215
71 / 163
55 / 0
258 / 341
1935 / 447
11 / 5
5 / 16
6/0
77 / 315
172 / 187
55 / 108
19 / 576
11 / 0
86 / 33

Drunella
spinifera
Decrease
0/0
0/0
0/0
0/0
0 / 22
0/0
5/4
13 / 8
129 / 17
0/0
0/0
0/0
0/0
0/0
12 / 22
0/0
0/0
0/0

Ecclisomyia
spp.
Decrease
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0
0/0

Epeorus
spp.
Decrease
17 / 15
32 / 102
57 / 15
43 / 22
55 / 70
25 / 86
1069 / 181
237 / 108
860 / 862
89 / 97
22 / 81
143 / 122
1360 / 663
269 / 429
153 / 667
59 / 153
0/5
265 / 64

Oligochaeta
Increase
0/1
0/0
0/0
0/0
0/0
12 / 0
0/0
0/0
0 / 191
0/0
0/0
0/0
0 / 43
0/0
0 / 161
0/0
0/0
7/0

Zapada
columbiana
Increase
0/0
102 / 0
7/0
473 / 269
0/0
18 / 0
0/0
439 / 0
7747 / 1411
0/0
0 / 11
289 / 19
17 / 0
0/5
12 / 11
3/0
0/0
0/0

Table 2.10. Ten sediment sensitive taxa indicating change in abundance as selected by stream site upstream (US) and downstream
(DS).
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EPT Taxa
Lepidostomatidae
Chloroperlidae
Leptophlebiidae
Ameletus sp.
Heptageniidae
Limnephilidae
Baetidae
Rhyacophilidae

Upstream Abundance
1,356
650
425
277
211
111
134
56

Downstream Abundance
121
363
146
74
29
57
23
65

Table 2.11. Abundances of dominant EPT taxa collected in the colonization traps upstream and downstream of the stream crossings.
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Site
Steepening of the upstream reach (1% difference in slope)
Incision in upstream cross-sections (0.5m)
Max. depth of the first pool downstream decreased by >0.5 m
Number of pools downstream decreased in the year following reconstruction
Elevated fine-sediment deposition in riffle habitats downstream
(at least a 5 percentage point difference between upstream and downstream)
Elevated fine-sediment deposition in depositional habitats downstream
(at least a 10% greater weight of sediment downstream than upstream)
High annual variability in the median grain size (D50) downstream
(50 mm change from year to year)
Increased heterogeneity in macroinvertebrate communities downstream
(more comparisons exceeding the natural CV in the direction of expected impact downstream than upstream)
Chironominae taxa responded in the direction of expected impact in Y1 and Y2
At least 5 sediment-sensitive taxa responding in direction indicative of impact
Total checks

Table 2.12. Summary of site-specific effects of stream-crossing reconstruction.

5

5

9

9
5

9
9
9
8




9

9

9

N/A

N/A

9

9

9

3

9



9

9

LBC
STC
UBC
9
9
9 9
9

9

BIS
CEC
9
9 9
9 9
9

6

9




9

9

9
9
9

UEC

CHAPTER 3

The effects of vineyard coverage and extent on benthic macroinvertebrates in
mediterranean-climate streams of Northern California
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The effects of vineyard coverage and extent on benthic macroinvertebrates in
mediterranean-climate streams of Northern California
Abstract
Vineyards are a dominant feature of many landscapes in Mediterranean-climate
regions. I examined the effects of streamflow declines, associated with vineyard water
withdrawals for frost protection, on benthic-macroinvertebrate communities at three sites
along three small streams in the Mediterranean-climate region of Northern California.
One site was heavily impacted by water withdrawals for frost protection, the other two
were not. In addition, I examined relationships between vineyard coverage and benthicmacroinvertebrate community response using data collected from 59 sites along 35 small
streams in Lake, Napa, and Sonoma Counties, California. I tested three a priori
hypotheses concerning the response of biological traits of macroinvertebrates to high
vineyard coverage: 1) semi-voltine (i.e., one generation every two years) individuals
would decline (compared to uni- and multi-voltine individuals), 2) individuals with the
ability to undergo diapause would increase, and 3) individuals with the ability to burrow
into the substrate would increase. In the site-specific study, I found that vineyard water
withdrawals for frost protection coincided with consistent declines both in the benthic
macroinvertebrate index of biotic integrity (B-IBI) developed for Northern California
streams and the ratio of Ephemeroptera-Plectoptera-Trichoptera to Odonata-ColeopteraHemiptera individuals (EPT/OCH), a metric developed for European Mediterranean
streams. In the broader-scale study, I observed that vineyard coverage levels above a
~20% threshold coincided with lower values of the B-IBI. The semi-voltine life-cycle
trait declined above this threshold, whereas the diapause and burrowing traits were not
affected.
Key words: vineyards; frost protection; benthic macroinvertebrates; biological
monitoring; threshold effects
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Introduction
The growing of grapes for wine has been done in Mediterranean-climate regions
for millennia. However, grape vines in these regions are susceptible to tissue damage
when air temperatures are low. In northern-hemisphere, Mediterranean-climate regions,
low-temperature injuries most commonly occur in spring months, during the period of
bud development, when air temperatures drop below -0.5ºC (Kasimatis et al. 1974).
There are several methods that vineyards use for frost protection in the spring, including
vineyard-site selection, grape-variety selection, cultural practices, wind circulation,
heaters, and water sprinklers (Kasimatis and Kissler 1974, Johnson and Howell 1981,
Donaldson et al. 1993). Approximately 9% of the total irrigated vineyard land in
California has water-sprinker systems installed (Orang et al. 2008).
The use of sprinker systems for frost protection has been observed repeatedly to
drastically reduce streamflow in small streams in the Mediterranean-climate region of
northern California (Deitch et al. 2009). These reductions typically occur between the
months of March and April (Deitch et al. 2009), which coincides with the end of the rainy
season in this region (Gasith and Resh 1999). This is a very important period of time for
benthic macroinvertebrates because this is when the majority of pre-emergence growth
occurs (Mendez and Resh 2008).
The effects of reductions in streamflow associated with vineyard water
withdrawals for frost protection on the abundance and composition of benthicmacroinvertebrate communities have not been explored in other studies. However, many
studies have shown a strong relationship between streamflow reductions and benthicmacroinvertebrate response in Mediterranean-climate streams (e.g., Acuña et al. 2005,
Bonada et al. 2006, 2007, Álvarez and Pardo 2009). Furthermore, prolonged drought in
Mediterranean-climate regions extending over multiple years has particularly strong
effects on the abundance and composition of benthic macroinvertebrate communities in
small streams (Bêche et al. 2006, Bêche and Resh 2007a,b). Water diversions during
these drought periods increase the impacts on these benthic communities (Gasith and
Resh 1999).
Streamflow reductions associated with frost protection could also have a selective
effect on biological traits of benthic-macroinvertebrate communities. The traits for a
given taxon may include, for example, the number of generations per year, the ability to
enter a state of diapause, and the ability to burrow into the streambed to obtain food, seek
refuge from predators, or escape low-flow conditions (Bêche and Resh 2007a,b).
Biological traits of benthic-macroinvertebrate communities in Mediterranean-climate
regions have been shown to be affected by long-term climate variability (Bêche et al.
2006; Bêche and Resh 2007a,b) and seasonal differences in climate (Mouthon and
Daufresne 2006, Cordellier and Pfenninger 2008, Spooner and Vaughn 2008, Clausnitzer
et al. 2009, Hering et al. 2009).
The objectives of this study are to determine whether: 1) vineyard water
withdrawals for frost protection affect benthic-macroinvertebrate communities; 2)
whether there is a threshold of vineyard coverage above which the effects are more
pronounced; and 3) whether exceeding this threshold has any effect on a priori selected
biological traits. These questions have implications for evaluating the effects of vineyard
coverage on streams in Northern California and potentially in wine-producing areas in
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other Mediterranean-climate regions around the world. These areas occur in parts of
Europe around the Mediterranean Sea, Southern California, South Africa, Australia, and
Chile (Gasith and Resh 1999).
Methods
Study sites and benthic macroinvertebrate data
This study is based on two benthic macroinvertebrate datasets from the wineproducing region of Northern California. The first dataset includes benthic
macroinvertebrate samples collected intensively over time. It is used to examine change
in benthic-macroinvertebrate communities occurring over two years (2004 - 2005) in
three sites along three small streams (Franz Creek, Bidwell Creek, and Maacama Creek;
Fig. 3.1) in Sonoma County, California, just before, during, and just after the period of
water withdrawal for frost-protection. The watershed areas of these sites ranged from 13
to 106 km2 and the vineyard coverage upstream of the sites ranged from 6 to 14 % of the
watershed area. Depending on the year, this frost-protection period can occur anytime
from mid-February to mid-May in Northern California (Smith et al. 2004).
The effect of water withdrawals for vineyard frost-protection on streamflow
differed among the three streams examined (Deitch et al. 2009). For example, the
reduction in streamflow was greater than 75% in Franz Creek on six occasions over the
two years of the study, whereas the reduction in streamflow never surpassed this 75%threshold in either of the other two streams examined (Deitch et al. 2009). The highest
magnitude changes in streamflow associated with a single frost-protection event were
530 L/s in Franz Creek and 120 L/s in Bidwell Creek (Deitch et al. 2009). The highest
magnitude change in streamflow associated with a single event at Maacama Creek was
lower than at both Franz Creek and Bidwell Creek, but the exact amount is unknown
because the vineyards in the watershed above Maacama Creek are located farther from
the sampling site and, as a result, the change in streamflow was extended over a long
time-span (Deitch et al. 2009).
Benthic macroinvertebrates were sampled at the three sites from a fixed area of
2
0.09 m in individual riffles using a D-frame kicknet with a mesh size of 500 μm.
Sampling began in early March and extended into early May each year, and included one
sample per event. All taxa in these samples were indentified to genus level. Vineyard
water withdrawals for frost protection at these sites began in mid-March and extended
into mid-April each year during this study (see Deitch et al. (2009) for the dates,
magnitude, and duration of the associated streamflow declines).
The second dataset contains samples collected intensively over space. It is used
to examine differences in benthic-macroinvertebrate communities among 59 sites along
35 streams in Lake, Napa, and Sonoma Counties, California (Fig. 3.1). These sites had
different levels of vineyard coverage in the watershed upstream of each site (described as
% of land-cover). The watershed areas of these sites ranged from one to 209 km2 and the
vineyard coverage ranged from zero to 76%.
Benthic macroinvertebrate samples were collected by the Friends of the Napa
River over a two year period (2000-2001) as part of a locally organized biomonitoring
effort. Collections were made in mid-April following the standard, targeted-riffle
approach of the California SWAMP bioassessment protocol (Ode 2007). Three replicates

85

were collected, each taken from a fixed area of 1.8 m2 using a net with a mesh size of 500
μm. All taxa in these samples were identified to genus level by Aquatic Biology
Associates, Inc., Corvallis, Oregon.
Evaluating the effects of vineyard water withdrawals for frost protection
I calculated five biological metrics from the data, including the North Coast B-IBI
(Rehn et al. 2005), total taxa richness, total abundance, % EPT individuals, and EPT /
OCH richness, an index proposed for Mediterranean-climate streams by Bonada et al.
(2006). The North Coast B-IBI is composed of eight metrics, which include EPT
richness, Coleoptera richness, Diptera richness, % intolerant individuals, % nonGastropoda scraper individuals, % predator individuals, % shredder taxa, and % noninsect taxa (Rehn et al. 2005). I calculated values for these metrics from samples
collected just before water withdrawals for frost protection occurred (early March) and
just after (late June), and examined the change in the metric values separately for each
year.
To determine whether there is a vineyard-coverage threshold above which the
effects of vineyards are more pronounced, I calculated values of the North Coast B-IBI
for all of the sampling events in the 59 sites and examined the values across the range of
vineyard densities. I first plotted these B-IBI values against percent-vineyard coverage to
select an arbitrary threshold. I then calculated the average, range, and the standard
deviation of the final B-IBI values above and below the selected vineyard-coverage
threshold, and did the same for each of the eight component metrics of the B-IBI. To
determine whether the threshold was statistically significant, I compared the metric
values above and below the threshold using Student's t-tests. The a priori hypothesis was
that the average value of the B-IBI would be higher for sites below the threshold than for
those above the threshold because the B-IBI was designed to detect land-use effects by
reflecting higher levels of disturbance with lower B-IBI values (Rehn et al. 2005).
The effects of vineyard coverage on biological traits
Three biological traits of benthic macroinvertebrates (voltinism, resistance to
desiccation, and locomotion abilities) were examined because they were hypothesized a
priori to be responsive to streamflow reductions based on their functional attributes
(Bêche et al. 2006). I focused on specific categories within these traits including the
presence of a semi-voltine (i.e., two generations per year compared to the one generation
per year of the uni-voltine and many generations of the multi-voltine) life cycle, diapause
(i.e., the ability to enter a period of suspended growth and development in response to
environmental stress), and burrowing ability (i.e., taxa that can dig down into the stream
bottom to find food, refuge from predators, and shelter during low streamflow) because
these traits would likely show a response to the effects of the streamflow reductions
associated with vineyard water withdrawals. The a priori hypotheses were that above the
vineyard-coverage threshold 1) there would be a decrease in semi-voltine (i.e., longlived) taxa, 2) there would be an increase in taxa that undergo diapause, and 3) there
would be an increase in taxa that burrow into the substrate.
The distribution of biological traits among taxa was calculated using abundance
data. The traits for all taxa present in each sample and the proportional representation of
each trait category were determined based on the descriptions used by Bêche et al.
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(2006). Because the fuzzy-coding approach was used (Chevenet et al. 1994), each taxon
could be described by a fractional composition of multiple trait categories, e.g., a taxon
could be described as 0.4 semi-voltine and 0.6 bi-voltine, with the fractions summing to
one, which would indicate that this taxon has partial semi-voltine and partial bi-voltine
characteristics.
Results
The effects of vineyard water-withdrawals for frost protection
The two-year study conducted at three sites revealed a decrease in the value of the
North Coast B-IBI and in the ratio of EPT to OCH individuals in the stream most
impacted by water withdrawals for frost protection (Franz Creek) during the three-month
frost-protection period in both years of the study (Table 3.1). However, there was
variability in metric values within this time-span (Fig. 3.2). In one of the other streams
(Bidwell Creek), the value of the B-IBI consistently increased during this time-span in
both years, and in the other stream (Maacama Creek) there was no consistent trend (Table
1). In neither Bidwell Creek nor Maacama Creek, were there any consistent trends in the
ratio of EPT to OCH individuals during this time-span (Table 3.1).
The determination of a vineyard-coverage threshold
There was a clear effect of vineyards on benthic macroinvertebrates above a
threshold of ~20% vineyard coverage (Fig. 3.3). The difference in the average value of
the B-IBI below and above this threshold was statistically significant (Table 3.2). Of the
eight component metrics of the B-IBI, six indicated a significant difference above and
below the 20% threshold when examined independently; these included EPT richness,
Coleoptera richness, Diptera richness, % intolerant individuals, % non-gastropoda scraper
individuals, and % non-insect taxa (Table 2). The two component metrics that did not
indicate a significant difference were % predator individuals and % shredder taxa (Table
3.2). However, the statistical power (ȕ) was less than the desired level of 0.8 for the
comparisons involving these two metrics as a result of the small effect size (Table 3.2).
The effects of vineyard coverage on biological traits
There was some evidence for the occurrence of a lower percentage of individuals
with the semivoltine life-cycle trait above the 20% threshold (Fig. 3.4). For example, the
percentage of individuals with this life-cycle ranged from 0 to 37 % with a mean of 11%
below the threshold and from 0 to 10 % with a mean of 3 % above the threshold. The
difference between these mean values was significant (P < 0.03). However, there was no
evidence for a threshold effect on the diapause and burrowing traits.
Discussion
The biological effect that was observed in Franz Creek, the stream where the
largest proportional reductions in streamflow occurred as a result of vineyard water
withdrawals for frost protection (Fig. 3.2), is within the range for which the B-IBI was
designed to detect (Rehn et al. 2005). It is highly likely that this effect was related to the
water withdrawals for frost protection because a consistent decrease in the B-IBI was not
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observed in either of the other two streams where flow-reduction effects were much
lower (Table 3.1). Likewise, the decrease in the EPT to OCH ratio in Franz Creek
indicates that the stream system is shifting to a state that is increasingly dominated by
pools as opposed to riffles (Bonada et al. 2006), which is consistent with the direction
one would expect to be associated with a reduction in streamflow. A consistent decrease
in the EPT to OCH ratio was not observed in the other two sites during the frostprotection period, which provides further evidence that vineyard water withdrawals for
frost-protection are causing the effect.
The 20% vineyard-coverage threshold that was evident from the B-IBI (Table 3.2,
Fig. 3.3) represents the level of vineyard development above which a strong effect can be
expected on benthic communities. The maximum value of the B-IBI above the threshold
was 23 points lower than the maximum value below the threshold. None of the sites
above the threshold had a B-IBI value indicative of "good" conditions according to Rehn
et al. (2005), i.e., B-IBI value greater than 61, whereas 41% of the sites below the
threshold did. The percent shredders may have remained fairly constant across different
levels of vineyard coverage because riparian corridors are maintained along streams in
this region (Nicholls et al. 2001) and these corridors may provide consistent litter input
from trees that could supply a food source for shredders. The percent predators may have
remained constant because the predators could shift to a different prey as the community
composition changed in response to different levels of vineyard development.
The decrease in semi-voltine (i.e., long-lived) individuals above the 20%
threshold (Fig. 3.4) may relate to higher predation pressure or intolerance of lower flow
and perhaps oxygen levels as a result of the sudden reductions in streamflow. These
individuals would not be able to replenish their populations as quickly as individuals with
shorter life-spans after these water-withdrawal episodes. The absence of a response in
individuals with the trait that allows them to enter a diapause stage when exposed to
unfavorable conditions may relate to the short duration of the streamflow declines, which
may not have been long enough to trigger diapause and thereby confer a selective
advantage. Furthermore, the absence of a response in burrowing individuals could relate
to the presence of disconnected pools, which provide sufficient refuge during the
streamflow declines to support individuals with other locomotive traits, such as the
ability to fly, swim, and/or crawl.
An effect of extensive water withdrawals associated with high vineyard coverage
on benthic macroinvertebrates in the Mediterranean-climate region of Northern
California is clearly evident from this study. A combination of this water-withdrawal
practice coupled with other factors, such as fertilizer and pesticide use, and/or increased
erosion and sedimentation as a result of tillage, may impact benthic macroinvertebrate
communities and consequently their availability as food for higher trophic levels such as
amphibians, fish, and birds. The impact of vineyards in the Mediterranean-climate region
of Northern California may be particularly intense relative to other Mediterraneanclimate regions around the world because the viticulture system in California is more of a
monoculture than the systems in other Mediterranean, wine-growing regions, such as
parts of Portugal and Spain, where the systems are characterized by small, family-owned
farms (Altieri and Nicholls 2002). Determination of whether these threshold effects also
apply to benthic macroinveretbrates in these regions may be a useful tool for
management of riverine habitats and water withdrawal schemes in these areas.
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Fig. 3.1. Map showing the three sites where benthic macroinvertebrates were collected
just before, during, and just after the period of water withdrawals by vineyards for frost
protection (black squares), and the 59 sites with varying levels of vineyard coverage as
grey circles; the grey lines are county boundaries.
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Fig. 3.2. Values of the North Coast B-IBI calculated from benthic macroinvertebrate
samples collected from Franz Creek during the time-frame just before, during, and just
after water withdrawals by vineyards for frost protection occurred in 2004 and 2005.
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Fig. 3.3. The value of the North Coast B-IBI calculated from benthic macroinvertebrate
samples in 52 sites with a range of vineyard coverages in their upstream watersheds.
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Fig. 3.4. Percent of individuals with specific biological traits that were hypothesized a
priori to be responsive to water-level declines associated with water withdrawals by
vineyards for frost protection; the 20% threshold is marked with a vertical, dotted line.
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Maacama Creek

Bidwell Creek

Franz Creek

Site

North Coast B-IBI
Total Richness
Total Abundance
% EPT Individuals
EPT / OCH Individuals
North Coast B-IBI
Total Richness
Total Abundance
% EPT Individuals
EPT / OCH Individuals
North Coast B-IBI
Total Richness
Total Abundance
% EPT Individuals
EPT / OCH Individuals

Metric
Pre-Irrigation
48
7
33
91
30
39
8
5
90
66
41
7
27
96
26

2004
Post-Irrigation
40
14
207
56
4
46
14
343
72
9.5
45
18
149
45
4.4

Pre-Irrigation
42
13
136
93
32
23
7
84
50
42
34
7
21
71
3

2005
Post-Irrigation
32
13
399
53
8
29
15
165
46
77
29
14
307
72
7
Decrease
Unclear
Increase
Decrease
Decrease
Increase
Increase
Increase
Decrease
Unclear
Unclear
Increase
Increase
Unclear
Unclear

Trend

Table 3.1. Comparison of biological metric values just before, during, and just after the period of water withdrawals for vineyard frostprotection.
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EPT Richness
Coleoptera Richness
Diptera Richness
% Intolerant Individuals
% Non-Gastropoda Scraper Individuals
% Predator Individuals
% Shredder Taxa
% Non-Insect Taxa
North Coast B-IBI

Metric

Less than 20% Vineyard Coverage
Average
Range
Std. Dev.
26
6-41
9
5
0-9
2
27
16-37
5
39
4-84
19
21
3-36
9
13
4-31
6
17
11-29
4
8
3-21
4
60
42-76
8

Greater than 20% Vineyard Coverage
Average
Range
Std. Dev.
12
2-21
6
2
0-8
3
22
17-26
4
15
2-25
9
10
3-16
4
10
4-14
4
17
14-23
3
13
5-25
7
44
32 - 53
7

Significance
P-value
ȕ-value
P < 0.001*
ȕ = 1.00
P = 0.002*
ȕ = 0.89
P = 0.022*
ȕ = 0.55
P = 0.004*
ȕ = 0.82
P = 0.005*
ȕ = 0.79
P = 0.24
ȕ = 0.09
P = 1.00
ȕ = 0.05
P = 0.010*
ȕ = 0.69
P = <0.001*
ȕ = 1.00

Table 3.2. Comparison of biological metric values from streams above and below the threshold of 20% vineyard coverage in the 59
sites examined.

CHAPTER 4
Physical-habitat restoration in the Lagunitas Creek Watershed, Marin County, California:
Evaluating the effects of large wood on pool formation in streams
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Physical-habitat restoration in the Lagunitas Creek Watershed, Marin County, California:
Evaluating the effects of large wood on pool formation in streams
Abstract
Physical-habitat complexity is essential for supporting aquatic fauna. Large wood, live
and dead, is especially important for producing high-quality physical-habitat in forested streams.
I examined five, 300-m stream reaches in a watershed in Northern California to determine: 1) the
amount of large wood in the bankfull channel; 2) the amount of large wood available for
recruitment from the riparian zones; 3) the influence of large wood on the size and distribution of
pools; 4) whether streams with large-wood additions had a greater diversity of large wood and
pool habitat than streams without; and 5) how large wood levels in streams in this watershed
compare with other streams in western North America. I found that the amount of large wood in
the bankfull channel and the amount available for recruitment varied highly among streams.
Large wood in the bankfull channel, particularly wood pieces with root-wads or those that were
part of clusters, had a very strong influence on pool formation. Of the large wood pieces that
were a primary pool-forming factor, 76% were part of a cluster and 21% had a root-wad. Stream
reaches with large-wood additions in the form of engineered wood structures had lower values of
channel widths per pool than those without large-wood additions (1.3-2.0 vs. 2.6-5.0). This
increase in pool frequency would have a predictably favorable benefit for over-winter survival of
juvenile coho salmon (Oncorhynchus kisutch), which was one of the primary goals of the largewood additions. The streams in this study generally had lower volumes of large wood and
higher values of channel widths per pool than streams of comparable size in the Western United
States.
Key words: physical habitat, restoration, large woody debris, pool formation, streams
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Introduction
Rivers and streams can be classified into different hierarchies or types based on their
characteristic geomorphic features and events and the complexity of physical habitat will be
different for different river or stream types (Frissel et al. 1986). For example, large rivers in the
Midwest might have very different definitions of physical-habitat complexity than forested
streams in the Pacific Northwest. Complexity of physical habitat in a forested stream reach is
characterized by a range of abiotic or physical conditions, including pools (Quinn and Peterson
1996), riffles (Pearsons et al. 1992), wood in the stream channel (O'Connor 1991), undercut
banks (Horan et al. 2000), different levels of shading as a result of differences in canopy
coverage (Eriksson et al. 2006), and temperature differences as a result of both shading and
groundwater inflows (Quinn and Peterson 1996, Poole and Berman 2001). In contrast, low
physical-habitat complexity along such a stream reach would have low diversity of these
conditions.
Physical-habitat complexity in forested streams is important for aquatic organisms
because it results in a variety of ecological niches, which provide the foundation to support a
high level of biodiversity (Ward and Tockner 2001, Johnson et al. 2003). Biodiversity can be
defined as the number and variety of taxa in a region (Bengtsson 1998). Because individual taxa
are specialized or adapted to take advantage of a specific set of physical conditions, the presence
of highly diverse physical-habitat conditions can thus support a higher number of distinct taxa
(Collier 2008, Péru and Dolédec 2010).
Wood in forested streams increases physical-habitat complexity by creating niches for
aquatic organisms that live and feed directly on wood itself (O'Connor 1991) and for those that
live in the pools that form as a result of the wood (Bonada et al. 2009). Wood is associated with
pool formation because it creates conditions during high flows that can promote localized scour
of the streambed (Borg et al. 2007, Mao et al. 2008). The size and orientation of wood in
streams can affect the size of the pools that form during these high flow events (Wohl et al.
2010). Whether the wood is living or dead is also important because it affects the length of time
that the wood stays in place and thus the length of time that the associated pools persist
(Opperman and Merenlender 2007, Opperman et al. 2008).
The amount of large wood in many forested streams of the western United States has
been reduced as a result of both lower recruitment because of logging in riparian areas and
prescribed removal to address problems such as scour near stream-side roads and collection of
wood near bridge abutments, which can cause erosion and thereby reduce the structural integrity
of the roads or bridges (Mellina and Hinch 2009, Wondzell et al. 2009). In addition, there was a
misperception for many years that large wood in streams was not favorable, partly because it was
not aesthetically pleasing (Opperman et al. 2008). Although large-wood removal programs,
often called river or stream cleanup projects, have officially ceased in most areas, large wood
continues to be removed from streams by some management personnel out of habit, and the
effects of large-wood removal can persist for years after the programs end because it can take a
long time for new large-wood recruitment to occur from the surrounding riparian area and from
the watershed upstream (Martin and Benda 2001, May and Gresswell 2003).
The amount of large wood in forested streams and the diversity of pool habitat are highly
influenced by local conditions, such as the type of riparian forest and the streambed substrate
(Buffington et al. 2002). Many studies of large wood in forested streams in the western United
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States have been conducted in the Pacific Northwest where the climate is temperate
(Montgomery et al. 1995, Buffington et al. 2002, May and Gresswell 2003). In contrast, a
smaller number of studies have been conducted in the north-coast region of California, where the
climate is mediterranean (Opperman and Merenlender 2007, Opperman et al. 2008). Differences
between these regions, in terms of the amount of large wood and pools, remain largely
unexplored. Physical-habitat restoration is being undertaken in streams in both these regions,
motivated by the desire to increase fish populations (Gerhard and Reich 2000, Gurnell et al.
2002, Roni et al. 2002, Kail et al. 2007).
This study was conducted in a watershed in northern California, where a physical-habitat
restoration project was being carried out to improve rearing habitat for the coho salmon
(Oncorhynchus kisutch) population. The objectives of this study were to determine: 1) the
amount of large wood in the channels; 2) the amount available for recruitment from the riparian
zones; 3) the influence of large wood on the size and distribution of pools; 4) whether streams
with the addition of engineered, large-wood structures had a greater diversity pool habitat than
streams without; and 5) how streams in this watershed compare with streams elsewhere. These
objectives have implications for physical-habitat restoration in streams in the Mediterraneanclimate region of Northern California, and potentially in streams elsewhere where engineered
wood structures are being considered for installation.
Methods
Site Description
The study sites included five 300-m reaches along three streams in the Lagunitas Creek
watershed in Marin County, California (Table 4.1). Three sites were located on the mainstem of
Lagunitas Creek (LAG1, LAG2, and LAG3) and two were located on separate tributaries to the
mainstem, San Geronimo Creek (SAN) and Devil's Gulch (DEV) (Fig. 4.1). The study was
conducted in the spring and summer (April – August) of 2009 and 2010.
The sites were selected for study because they had either already undergone or were
being considered as potential sites for physical-habitat restoration in the form of engineered,
large-wood structures. These structures are intended to promote pool formation, to slow
downstream migration of sediment, and to increase high-flow refuge and improve summer
rearing habitat for salmonids (O'Connor and Rosser 2006). The Lagunitas Creek watershed was
logged extensively in the 1800s, dammed in the early 1800s through the 1950s, and regularly
subjected to large wood removal from stream channels during the 1970s and 1980s; all of these
factors have contributed to a reduced amount of large wood present in the stream channels
relative to natural levels (O'Connor and Rosser 2006). The large wood for the engineered
structures is primarily coast redwood (Sequoia sempervirens), which was obtained from
reservoirs upstream in the watershed, such as Kent Lake, where it had collected as debris behind
dams.
Three of the sites selected for study (LAG1, LAG2, and DEV) were located in Samuel P.
Taylor State Park with riparian zones composed predominately of coast redwood forest (S.
sempervirens), whereas the other two sites (SAN and LAG3) were located outside of the State
Park in riparian zones composed of California bay laurel (Umbellularia californica), willow
(Salix spp.), and alder (Alnus spp.). Engineered large-wood structures had been installed at
LAG1 and LAG2 prior to this study (Table 3.1).
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The physical-habitat restoration projects in this watershed were largely driven by a local
effort to protect coho salmon populations. Although coho salmon populations across the state of
California have declined since the start of the last century (Brown et al. 1994), the coho
population in the Lagunitas Creek watershed remains one of the largest and most stable in
California (Ketcham et al. 2004).
Large Wood
Large wood was defined as any portion of wood, live or dead, with a diameter of at least
10 cm, following other studies (Dolloff and Warren 2003, Lassettre 2003, Opperman and
Merenlender 2007). Dead large wood was classified as large woody debris (LWD), whereas
living large wood was classified as large live wood (LLW). Many studies have established the
importance of LWD on pool formation in streams, including studies conducted in the
mediterranean-climate region of California (Lassettre 2003) and studies conducted in the Pacific
Northwest of the United States (Montgomery et al. 1995), and the importance of LLW on pool
formation in streams is increasingly being recognized (Opperman and Merenlender 2007).
The large-wood inventory was conducted in both the bankfull channel and the
approximate 10-year floodplain outside the bankfull channel. The typical recurrence interval of
the discharge that fills the bankfull channel and mobilizes bed material is approximately 1.5
years (Dunne and Leopold 1978). The dimensions of the bankfull channel were approximated
visually by assessing vegetation, recent high-water marks, and the elevation of freshly deposited
gravel bars. The width of the 10-year floodplain was approximated visually by searching for
evidence of flood terraces containing a substantial portion of vegetation within the 10-year seral
stage.
A pool-forming factor was defined as a physical structure in the bankfull channel or 10year floodplain that participated in pool formation. Pool-forming factors were determined by
visual assessment. The pool-forming factors considered included boulder (BO), bedrock (BR),
alluvial bar-riffle (A), step (S), or large wood (W). Structures in the 10-year floodplain were
considered pool-forming factors only if they provided anchorage or support for wood in the
bankfull channel that was associated with pool formation.
For each piece of large wood that was encountered, I determined: 1) the location along
the longitudinal profile; 2) whether it was dead (LWD) or living (LLW); 3) the length of the
piece contained within the 10-year floodplain; 4) the average diameter; 5) whether a root-wad
was present; 6) whether it was coniferous or hardwood; 7) whether it was pool-forming factor; 8)
whether it was part of a cluster (i.e., greater than three pieces in contact with each other); 9)
whether it was standing upright, and 10) whether it was added as part of an engineered, largewood structure.
Size and Distribution of Pools
A pool was defined as any portion of the stream with a minimum water depth of 0.5 m.
Minimum water-depth criteria are commonly used for defining pools in both geomorphic
(Montgomery et al. 1995) and biological (Calhoun et al. 2003) studies. For each pool in this
study, I determined the location along the longitudinal profile, the length, the average width, the
maximum depth, and the primary pool-forming factor. The area of each pool was calculated
using the measured length and width.
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Data comparisons
The sites with engineered, large-wood structures were compared to those without on a
site-specific basis. The comparisons included the following variables; 1) total number of pieces
of LWD per m2 in the bankfull channel, 2) total volume (m3) of LWD in the bankfull channel, 3)
total number of pools, 4) total area of pools, 5) deepest pool, and 6) channel widths per pool.
The sites with and without engineered, large-wood structures could not be treated as replicates
for statistical comparisons because the reaches examined differed in many uncontrolled variables
such as riparian vegetation type and substrate type and a much larger number of sites would have
been necessary to examine in order to parse out the influence of these variables. The condition
of the sites prior to the installation of the engineered, large-wood structures is unknown.
The information from the sites was compared with similar data from other sites in North
America, and inferences were made for over-winter survival of coho salmon based on previously
observed relationships in a stream in Washington. For example, the volume of LWD per m2 in
the bankfull channel was compared with other sites in the Mediteranean climate region of
California and elsewhere in North America (Lassettre 2003). The measured number of pieces of
LWD per m2 in the bankfull channel and the measured channel widths per pool were compared
to similar information in Montgomery et al. (1995) for 46 sites in the states of Washington and
Alaska. Lastly, a prediction of the over-winter survival (%) of juvenile coho salmon was
extrapolated from a relationship between the over-winter survival (%) and channel widths per
pool that was determined by Quinn and Peterson (1996) for a small stream in Washington.
Results
Large Wood
Bankfull Channels
I measured 556 total pieces of large wood in the bankfull channel. The number of pieces
of LWD per reach ranged from 20 to 151 (mean = 66, SD = 53) and the number of pieces of
LLW ranged from 7 to 159 (mean = 45, SD = 65). LWD comprised 60 % of the total number of
pieces of large wood. The LWD was composed of 15 % hardwood (85 % coniferous), whereas
the LLW was composed of 99 % hardwood (1 % coniferous). 42% of LWD pieces acted as a
pool-forming factor, compared to 27% of LLW pieces. Of the LWD pieces that functioned as
pool-forming factors, 21 % had a root-wad, 76 % were part of a cluster, 4 % were standing
upright, and 12 % were associated with the engineered, large wood structures. Of the LLW
pieces, 34 % had a root-wad, 41 % were part of a cluster, 66 % were standing upright, and 0 %
were associated with the engineered, large wood structures. Per area of bankfull channel, the
average amount of LWD that was available within the reaches was roughly twice the average
amount of LLW (Table 4.2).
10-year Floodplains outside of the Bankfull Channels
I measured 529 total pieces of large wood in the 10-year floodplains outside of the
bankfull channel. The number of pieces of LWD per reach ranged from 16 to 53 (mean = 27, SD
= 15) and the number of pieces of LLW ranged from 8 to 298 (mean = 88, SD = 121). LWD
comprised 26 % of the total number of pieces of large wood and was composed of 94 %
hardwood (6 % coniferous), whereas the LLW was composed of 99 % hardwood (1 %
coniferous). 17% of LWD pieces acted as a pool-forming factor, compared to 5% of LLW
pieces. Of the LWD pieces that functioned as pool-forming factors, 0 % had a root-wad, 96 %
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were part of a cluster, 0 % were standing upright, and 0 % were associated with the engineered,
large wood structures. Of the LLW pieces, 44 % had a root-wad, 88 % were part of a cluster, 94
% were standing upright, and 0 % were associated with the engineered, large wood structures.
Per area of bankfull channel, the average amount of LWD that was available within the reaches
was roughly half the average amount of LLW (Table 4.2).
Size and Distribution of Pools
I measured a total of 51 pools among the study sites (Table 4.3). The average number of
pools was 10 (SD = 4), the average total area of pools was 244 m2 (SD = 191), the average depth
of the deepest pool was 1.3 m (SD = 0.5), the average distance between pools was 36 m (SD =
22), the average number of channel widths per pools was 3 (SD = 2), and the primary poolforming factors were wood and bedrock (Table 4.3). Wood was identified as the primary poolforming factor in 36 out of the 51 pools measured (71%). Bedrock was the second most
important primary pool-forming factor, accounting for roughly one quarter of the pools.
Comparison of sites with and without large-wood additions
The total number of pieces of LWD per m2 in the bankfull channel at the sites with
engineered, large wood structures was within the same range of those sites without structures,
i.e., 0.011 – 0.018 pieces per m2 (Table 4.1). In contrast, the total volume of LWD was higher at
the sites with structures than those sites without structures (Table 4.1). The total number of
pools was relatively high at one of the sites with structures, but not at the other site with
structures (Table 4.2). The depth of the deepest pool at the sites with structures was within the
same range of those sites without structures, and so was the average distance between pools
(Table 4.2). The pool frequency was higher at the two sites with structures than at the sites
without structures (Table 4.2).
Comparison of sites with streams in other regions
The total volume of LWD / m2 observed in the bankfull channel at each of the sites,
which ranged from 0.014 – 0.017 m3/m2 (Table 4.2), is very close to the total volume that was
observed in Lower East Branch Soquel Creek (0.005 m3/m2) (Lassettre 2003), another disturbed
coast redwood stream in the Mediterranean climate region of Northern California, and is notably
lower than the amounts of LWD found in undisturbed coast redwood streams in Redwood
National Park (Keller and MacDonald 1983) and elsewhere in North America (Lassettre 2003).
In comparison to streams in Washington and Alaska of comparable size, i.e., those with
bankfull widths <15 m, the sites I examined in coastal California all had relatively low largewoody-debris coverage per area of bankfull channel (Fig. 4.2). However, the sites with largewood additions had a lower value of channel widths per pool, which was closer to the values
reported for the majority of the streams in Washington and Alaska (Fig. 4.2). Based on the
channel widths per pool measured in this study, the sites with large-wood additions are predicted
to have a higher percentage of over-winter survival of juvenile coho salmon than the sites
without large-wood additions (Fig. 4.3).
The total volume of LWD / m2 observed at each of the sites (Table 2) was very close to
the total volume that was observed in Lower East Branch Soquel Creek (0.005 m3/m2) (Lassettre
2003), another disturbed coast redwood stream in the Mediterranean climate region of Northern
California, and is notably lower than the amounts of LWD found in undisturbed coast redwood
streams in Redwood National Park and elsewhere in North America (Lassettre 2003).
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Discussion
The high variability in the amount of both LWD and LLW among the sites examined
(Table 4.2) is related to natural physical-habitat differences, such as riparian-vegetation type and
substrate type. For example, LAG1, LAG2, and DEV were located in coast redwood forests,
whereas the other sites were located in hardwood forests. LAG3 contained dense alder thickets,
which account for the relatively high number of pieces of large wood measured in this reach
(Table 4.2). LAG2 and DEV contained a larger portion of bedrock substrate than the other sites,
and thus bedrock was relatively more important as a pool-forming factor at these sites. The
relatively low number of pieces of LWD per m2 available for recruitment from the 10-year
floodplain in the two sites with large-wood structures installed provides evidence that the
addition of LWD pieces to these sites was appropriate because less was available for natural
recruitment.
Human activities have certainly reduced the amount of LWD reaching the lower reaches
of the Lagunitas Creek watershed. However, the amount of large wood that was impounded
behind dams and selectively removed from the streams over the past decades is unknown. This
makes it impossible to ascertain exactly the amount of large wood that would otherwise have
been present in the bankfull channel if dams had not been added to Lagunitas Creek. Nonethess,
because the average biomass of LWD in the bankfull channel of the three coast redwood sites
(7.1 kg/m2 assuming a standard wood density of 450 kg/m3) was dramatically less than the
average biomass reported by Bilby and Bisson (1998) for typical Northern California redwood
forest (74.2 kg/m2), it is highly likely that these reaches are wood starved. The loss of LWD
recruitment from the upper reaches of the watershed by Peters Dam, which was built in 1954 to
form Kent Lake, has surely reduced the amount of LWD passing through the two reaches in this
study that had undergone additions of engineered, large wood structures (LAG1 and LAG2).
Large wood is an important pool-forming factor in streams (Bilby and Ward 1991,
Montgomery et al. 1995, Beechie and Sibley 1997). In sites throughout Washington and Alaska,
LWD in bankfull channels was associated with pool formation in less than 40% of cases
(Montgomery et al. 1995). In sites in this study, LWD was associated with pool formation in
slightly greater than 42% of cases. The sites in Washington and Alaska were in high-gradient
(slope a2%), mountain drainage basins (Montgomery et al. 1995) and the sites in this study were
in lower-gradient (slope a1%), coastal drainage basins. This could explain the relatively high
effectiveness of LWD in pool formation in the study sites. However, a 1% slope is still steep
relative to many streams elsewhere. In high-gradient basins, large boulders tend to override
LWD as dominant pool-forming factors (Beechie and Sibley 1997). Root-wads at the end of
pieces of large wood promote pool formation in streams (Opperman 2007, Warren and Bernhardt
2007), which was supported by data from this study. Whether the large wood was part of a
cluster or jam was also found to be important, which has been confirmed by others (Rosenfeld
and Huato 2003). In agreement with Opperman (2007) and Opperman et al. (2008), LLW
featured prominently in the large-wood clusters measured.
The engineered, large-wood structures had a notable effect on pool formation. For
example, LWD in engineered, large wood structures made up 12% of the total LWD pieces that
were pool-forming factors in the bankfull channel. There was also modest evidence from this
study that the engineered, large-wood structures lowered the channel widths per pool, which is
equivalent to an increase in pool frequency (Table 3). Other studies have shown that pool
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frequency is often related to LWD levels (Montgomery et al. 1995, Beechie and Sibly 1997,
Lassettre 2003). Lassettre (2003) observed 75-80% of pools to be associated with LWD in two
streams in the Mediterranean-climate region of California. In this study, for comparison, LWD
was observed to be a primary pool-forming factor in 71% of pools, and this percentage would be
higher if secondary pool-forming factors were included. Post-project monitoring and assessment
by the Marin Municipal Water District has shown that pools have formed and increased in size in
the years following the large-wood addition (E. Ettlinger, personal communication).
The number of trees per m2 and the biomass of trees per m2 in Mediterranean-climate
regions is typically less than it is in temperate-climate regions because of rainfall and
temperature patterns (Scarascia-Mugnozza et al. 2000). This generalization could explain why
the sites in this study contained less LWD per m2 than most of the sites of comparable size in
Washington and Alaska (Fig. 4.2). However, there were streams in Washington and Alaska in
the same range of LWD per m2 as measured at the study sites, which suggests that knowledge
acquired from studies conducted on streams in other regions, such as parts of the Pacific
Northwest, should be transferrable to some extent to studies and watershed-management projects
conducted on streams in the Mediterranean-climate region of California and potentially in
Mediterranean regions elsewhere.
Pool frequency in steeper, step-pool channels, where large boulders are the dominant
pool-forming mechanism, tend to be lower than in low-gradient, pool-riffle channels such as the
study sites, and to be independent of LWD (Montgomery et al 1995). This difference explains
the tendency of the channel widths per pool at the sites in this study to be higher on average than
most of the sites of comparable size in Washington and Alaska (Fig. 4.2). The lower channel
widths per pool, i.e., higher pool frequencies, at the two sites with engineered, large wood
structures were closer to most of the values of channel widths per pool observed for streams in
Washington and Alaska.
The lower channel widths per pool values observed in the sites with the engineered,
large-wood structures (Fig. 4.3) combined with the regression relationships from Quinn and
Peterson (1996) suggests the possibility of potentially increased over-winter survival of juvenile
coho salmon in the Lagunitas watershed. Higher over-winter survival was one of the primary
goals of the physical-habitat restoration projects. The engineered, large-wood structures, and
their associated pools, could increase over-winter survival by providing refuge during winter
high flows, which typically occur between the months of December and April in this region of
California (Gasith and Resh 1999). In addition, the lower distance between pools could make it
easier for fish that are swept downstream by high flows to return upstream because they could
rest in each of the pools along the way and would have a shorter distance over which they would
need to expend energy in order to reach the next pool upstream.
In conclusion, the characteristics of habitat complexity are highly variable among stream
reaches, between regions, and within the same watershed. Physical-habitat in streams is
influenced by local environmental constraints as well as past human activities. In this study, I
observed evidence that large wood had a strong effect on pool formation, with roots wads and
clusters being especially important. Engineered, large wood structures had the effect of
potentially increasing pool frequency. Although the information contained in this study is sitespecific, there is modest evidence that similar approaches may be useful in other regions.
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Table 4.1. Site information
Site

LAG1
LAG2
LAG3
SAN
DEV

Location
Lagunitas Creek upstream of
Irving Bridge
Lagunitas Creek upstream
of Confluence with Devil's Gulch
Lagunitas Creek along the
Tocoloma Reach
San Geronimo Creek by the
Water Treatment Plant
Devil's Gulch starting upstream
of Sir Francis Drake Blvd.

Latitude, Longitude
38°0'58.53"N,
122°43'23.88"W
38°1'43.98"N,
122°44'11.38"W
38° 3'6.25"N,
122°45'36.76"W
38°0'45.09"N,
122°39'8.30"W
38°1'46.27"N,
122°44'9.44"W
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Ave. Bankfull
Width (m)

Number of Engineered,
Large-Wood Structures

14.7

5

15.0

3

11.5

0

6.2

0

5.1

0

Table 4.2. Number of pieces of large wood (LWD and LLW) per area of bankfull channel and
total volume of large wood per area of bankfull channel, both within the bankfull channel and
within the 10-year floodplain outside the bankfull channel, at each study site. * indicates sites
with engineered, large-wood structures.
Location

Reach

Bankfull Channel

LAG1*
LAG2*
LAG3
SAN
DEV
Ave. (SD)
LAG1*
LAG2*
LAG3
SAN
DEV
Ave. (SD)

10-year Floodplain
Outside the
Bankfull Channel

LWD / m2
Number of
Total Volume
Pieces
(m3)
0.012
0.017
0.018
0.009
0.044
0.004
0.011
0.005
0.017
0.005
0.020 (0.014)
0.008 (0.005)
0.005
0.001
0.006
0.001
0.015
0.002
0.012
0.001
0.010
0.001
0.010 (0.004)
0.001 (0.000)
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LLW / m2
Number of
Total Volume
Pieces
(m3)
0.003
<0.001
0.007
0.002
0.046
0.003
0.008
0.004
0.005
0.001
0.014 (0.018)
0.003 (0.001)
0.002
<0.001
0.020
0.001
0.086
0.004
0.009
0.001
0.019
0.002
0.027 (0.034)
0.002 (0.002)

Table 4.3. Characteristics of the size and distribution of the pools at the study sites; W = wood
and BR = bedrock. * indicates sites with engineered, large-wood structures.

LAG1*

Number
of Pools
10

Total Area
of Pools (m2)
154

Depth of Deepest
Pool (m)
0.8

Ave. Distance
Between Pools (m)
30

Channel
Widths/Pool
2.0

Primary PoolForming Factor
W (7/10)

LAG2*
LAG3
SAN
DEV
Ave. (SD)

16
10
11
4
10 (4)

439
446
165
15
244 (191)

1.4
1.6
1.9
0.9
1.3 (0.5)

19
30
27
75
36 (22)

1.3
2.6
4.4
5.0
3.1 (1.6)

BR (8/16) & W(8/16)
W (10/10)
W (10/11)
BR (3/4)

Site
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Fig. 4.1. Site map
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Fig. 4.2. Comparison of A) LWD coverage and bankfull width and B) channel widths per
pool and bankfull width between 46 sites in Washington and Alaska from Montgomery et
al. (1995) and the sites in the Lagunitas Creek watershed of Northern California from this
study.
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Fig. 4.3. Predicted over-winter survival of juvenile coho salmon at the sites using linear
regression fit (y = -9.21x + 69.89, R2 = 0.27, p = 0.03) from Quinn and Peterson (1996).
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Physical-habitat restoration in the Lagunitas Creek Watershed, Marin County,
California: Evaluating the effects of large wood on benthic macroinvertebrates
Abstract
Large-wood addition to streams is a common approach to restore physical-habitat
complexity in streams where large wood has been removed by humans in the past or
where dams installed in the watershed prevent recruitment of wood to the stream channel
from upstream. The objective of this study was to determine: 1) the taxa occurring in
pools created from engineered, large-wood structures used in restoration and the
associated riffles; 2) taxa that are most likely to benefit from the creation of new poolriffle sequences; and 3) long-term changes (a9 years) in the benthic-macroinvertebrate
community that have occurred temporally from in the restoration process. I observed %
shredders to be significantly higher in created pools than in nearby riffles. The dominant
shredders in pools were caddisflies, whereas the dominant shredders in riffles were
stoneflies. I also observed statistically significant differences between pools and riffles
using five benthic-macroinvertebrate community metrics. From early to late in
restoration, significantly lower percentages of scrapers and shredders were observed in
riffles, there were significant changes observed in the four of the five community metrics
examined, and riffles were supporting more taxa with strong preferences for riffle habitat.
Increases in relative abundances of Ephemeroptera, Plecoptera, and Trichoptera (EPT)
taxa indicate water quality improvement. Coho salmon (Oncorhynchus kisutch) should
benefit from the increase in EPT taxa observed, which was one of the primary stated
goals of the restoration.
Key words: habitat restoration, large wood, benthic macroinvertebrates, biological
monitoring
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Introduction
Physical-habitat complexity or heterogeneity in streams is important for benthic
macroinvertebrates because they can inhabit the variety of niches that a highly complex
physical-habitat provides (O'Connor 1991, Bis et al. 2000). For example, some benthicmacroinvertebrate taxa are specialized to feed on wood (O'Connor 1991), whereas others
are specialized to withstand strong water current (Lancaster et al. 1990). The diversity of
pool and riffle habitat is an especially relevant aspect of physical-habitat complexity for
benthic macrointertebrates in small streams (Brussock and Brown 1991). Taxa that are
found more often in pools than in riffles are often adapted to the lower oxygen levels
(Connolly et al. 2004, Jacobson 2008), slower moving water (Dolédec et al. 2007), and/or
greater water depth (Bonada et al 2006). Other important aspects of physical habitat
include amounts and types of large wood in the stream channel (Hilderbrand et al. 1997),
undercut banks (Barbour et al. 1996, Meyers and Resh 2000), water temperature (Bonada
et al 2006), and shading from vegetation (Li and Dudgeon 2008).
Stream reaches with an abundance of pool-riffle sequences can support a higher
level of biodiversity, and are thus important for conservation efforts (Schwartz and
Herricks 2007). Pools and riffles influence not only benthic macroinvertebrates (Bonada
et al. 2006), but also the fishes and birds that prey on them (Schwartz and Herricks 2007),
the organisms at higher trophic levels that prey on the fishes and birds, and the
composition of decomposer communities that recycle nutrients to the stream ecosystem
(Rincón and Santelloco 2009). Many taxa in the orders Ephemeroptera, Plecoptera, and
Trichoptera, which are more commonly found in riffles than in pools, are an important
component in the diet of fish (Wooster and Sih 1995). Many taxa in the order
Coleoptera, which are more commonly found in pools than in riffles (Forno et al. 1983),
are an important component in the diets of some birds and mammals (Pavey et al. 2009).
The specific combination of taxa that occupy stream reaches in a particular
watershed are often unique to that location, and this combination is influenced by a large
range of factors including physical habitat, past environmental conditions, such as floods,
droughts, and human disturbance, the order of arrival of colonizing species, and the
introduction of non-native or invasive species (Oertli et al. 2008, Brown et al. 2009).
Background knowledge of the benthic-macroinvertebrate communities that occupy a
stream reach can be useful to consider in physical-habitat restoration in streams because
the composition of these communities is likely to change in response to the restoration
practices followed and these changes can be used to evaluate the outcome of the
restoration project. Restoration projects involving large-wood addition, for example, are
often designed to increase the quality of pool-riffle sequences in locations where largewood was removed from streams in the past or where dams prevent recruitment of wood
from upstream (Gurnell et al. 2001). This increase in habitat complexity would likely
shift the composition of local benthic-macroinvertebrate communities because some taxa
are adapted to riffles, e.g., Ephemeroptera, whereas others are more adapted to pools,
e.g., Coleoptera (Bonada et al. 2006).
This study was conducted in a watershed in Northern California, where physicalhabitat restoration was being undertaken in the form of the addition of engineered, largewood structures to streams. The objective of this study was to determine: 1) the
similarity in taxa between the pools created from the engineered, large-wood structures
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used in restoration and the associated riffles; 2) the pool and riffle specialist taxa that are
most likely to increase or decrease as a result of the creation these improved pool-riffle
sequences; and 3) long-term changes in benthic-macroinvertebrate community
composition that have occurred from early to late periods in the restoration process. The
information obtained in studying these research objectives may have implications for
physical-habitat restoration in this region of Northern California. In addition, the
information collected will provide a baseline to examine future changes in benthos that
occur at this site.
Methods
Site description
The study site included four pool-riffle sequences, each associated with a separate
engineered, large-wood structure, in one 300-m reach along Lagunitas Creek in Marin
County, California (Fig. 5.1). Construction of the structures began in 1998 under the
direction of the Marin Municipal Water District. The intention of the structures was to
promote pool formation, slow downstream migration of sediment, and improve habitat
for endangered Coho salmon (O'Connor and Rosser 2006). Lagunitas Creek was logged
in the 1800s, dammed in the 1800s - 1950s, and regularly subjected to large-wood
removal from stream channels during the 1970s -1980s (O'Connor and Rosser 2006).
The large wood for the engineered structures is comprised mostly of coast redwood
(Sequoia sempervirens) and also some Douglas fir (Pseudotsuga menziesii) and incense
cedar (Calocedrus decurrens), which was obtained from reservoirs upstream in the
watershed, such as Kent Lake, where it had collected as debris behind dams.
Benthic macroinvertebrates
Benthic macroinvertebrates were collected in June 2010 in the pools created by
the large-wood additions and in the associated riffles at four sites along a reach of
Lagunitas Creek (Fig. 5.1). Collections were made using a D-frame kicknet with 500-ȝm
mesh. The pool samples were a collected by swiping the net back and forth throughout
the entire pool area for three minutes. The riffle samples were collected by disturbing the
substrate upstream of the kicknet for one minute at three randomly-selected, 0.09-m2
areas to a depth of approximately 0.10-0.15m. These three samples were then
composited. All benthic macroinvertebrates in the samples were stored in 95% ethanol,
sorted in the laboratory, and identified to family level.
Prior benthic-macroinvertebrate information was compiled from a report
published by the San Francisco Bay Regional Water Quality Control Board
(SFBRWQCB 2007), which contained information for four sites in Lagunitas Creek that
were sampled for benthic macroinvertebrates in April 2001 along the same reach as the
study sites (Fig. 5.1). In the report, these sites were labeled LAG210, LAG220 LAG240,
and LAG320. These collections were made using a D-frame kicknet with 500-ȝm mesh
at three sites within each riffle, and a 0.19 m2 portion of substrate upstream of the kicknet was located and disturbed to approximately 0.10-0.15 m in depth for 1-3 minutes
(SFBRWQCB 2007). The three collections per riffle were composited to create one
sample that was sieved to 0.5 mm and stored in 95% ethanol (SFBRWQCB 2007). All
macrofauna in these samples, including terrestrial organisms that had potentially come in
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with leaf matter or during high flow-events, were identified to genus level or the lowest
possible taxonomic unit. Terrestrial macrofaunta were excluded and all the remaining
identifications were raised to family level for comparison (SFBRWQCB 2007).
Similarity in taxa between created pools and the associated riffles
The Jaccard index (Jaccard 1908) was used to compare the similarity between
taxa collected in the created pools and the associated riffles for each site. The index was
calculated by dividing the number of families found in both of the samples, i.e., the pool
sample and the riffle sample, by the number found in only one sample or the other, and
then multiplying by 100.
In addition, a variety of metrics were used to compare the benthic communities
between the created pools and their associated riffles. The metrics included 1) functional
feeding groups (% predator, % collector filterer, % scraper, and % shredder) and 2)
community metrics (% Ephemeroptera, Plecoptera, Trichoptera (EPT) individuals, the
ratio of EPT taxa to Odonata, Coleoptera and Hemiptera (OCH) taxa, tolerance values, %
Chironomidae individuals, and % Baetidae individuals. The family Chironomidae is in
the order Diptera, whereas Baetidae is in the order Ephemeroptera. The average values
of these metrics in pools were compared against the average values of these metrics in
riffles using t-tests to determine significance (Į = 0.05).
Taxa that are most likely to increase or decrease as a result of changes in pool and riffle
habitat
Pool and riffle specialist taxa were determined by selecting those families that
were only present in either pools or riffles at all the sites examined. The taxonomic
resolution of these taxa determined to be pool or riffle specialists was taken from family
level to genus level. The habitat, habit, trophic relationships, and tolerance values of
these responsive genera were compiled from Merritt et al. (2008) to facilitate predictions
of how community attributes and biological-assessment scores are likely to change as a
result of the physical-habitat restoration.
Long-term changes in benthic-macroinvertebrate communities from early to late in
restoration
The information collected on benthic-macroinvertebrate communities in riffles in
the four sites sampled in 2010, i.e., 12 years after restoration commenced in the
watershed (hereafter referred to as late in restoration), was compared with the
information obtained on benthic-macroinvertebrate communities in riffles in the four sites
sampled in 2001, i.e., three years after the restoration began (hereafter referred to as early
in restoration), using a variety of metrics. The metrics examined included 1) functional
feeding groups (% predator, % collector filterer, % scraper, and % shredder); and 2)
community metrics (% EPT individuals, EPT/OCH taxa, tolerance values, %
chironomidae individuals, and % baetidae individuals. The average values of these
metrics late in restoration were compared against those early in the restoration using ttests (Į = 0.05). The % abundance of the taxa determined to be specialized to pool or
riffle habitat were compared between early in restoration and late in restoration, also by
using t-tests to determine significance (Į = 0.05).
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Results
Benthic macroinvertebrates
A total of 2,580 benthic-macroinvertebrate individuals were collected in all the
pool samples combined, representing 6 orders and 21 families. An average of 16 families
(SE = 1.6) and 660 individuals (SE = 100) were present in each pool sample. The most
abundant family in the all the pool samples combined was Chironomidae (2,077
individuals, which made up 78% of the pool community).
A total of 1,538 benthic-macroinvertebrate individuals were collected in all the
riffle samples combined, representing 5 orders and 23 families. An average of 17
families (SE = 0.5) and 388 individuals (SE = 46) were present in each riffle sample. The
most abundant family in all the riffle samples combined was Baetidae (890 individuals,
which made up 57% of the riffle community).
The riffle samples from Lagunitas Creek in 2001 that are described in
SFBRWQCB (2007) contained a total of 3,488 benthic-macroinvertebrate individuals,
representing 10 orders and 33 families. An average of 23 families (SE = 0.8) and 872
individuals (SE = 4.9) were present in each sample. The most abundant family in all the
samples combined was Chironomidae (757 individuals, which made up 22% of the riffle
community).
Similarity in taxa between created pools and the associated riffles
The average value of the Jaccard similarity index for the sites was 33% (SE =
2%). This indicates that about one third of the taxa were common to both the pools and
the riffles. Two families were present in both the pools and the riffles, i.e., exhibited
100% similarity, in all the sites, the Chironomidae and Baetidae.
There were significant differences in functional feeding groups and community
metrics between pools and riffles. Of the functional feeding groups, only shredders had a
significant difference (p = 0.05). However, all of the community metrics showed a
significant difference (Table 5.2).
Taxa that are most likely to increase or decrease as a result of changes in pool and riffle
habitat
Genera that were present only in the pools at all the sites included Oreodytes
(Coleoptera) and those present only in the riffles included Calineuria (Order: Plecoptera),
Rhyacophila (Order: Trichoptera), and Neophylax (Trichoptera) (Table 5.1). Calineuria,
Rhyacophila, and Neophylax are found in erosional habitat and are clingers by habit,
whereas Oreodytes are found in erosional and depositional and are swimmers and
climbers by habit (Table 5.1). Calineuria, Rhyacophila, and Neophylax have low
tolerance values (0-2) relative to Oreodytes (5) (Table 5.1).
Long-term changes in benthic-macroinvertebrate communities from early to late in
restoration
A significantly lower percentage of scrapers (11% vs. 27%) and shredders (3 vs
12%) was observed late in restoration relative to early in restoration (Table 5.3),
significant changes were observed in all of the community metrics except for tolerance
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value (Table 5.3), and no significant changes were observed in the pool or riffle specialist
taxa (Table 5.4). The community metrics that showed change from early to late in
restoration (with direction of change indicated in parentheses) included % EPT
individuals (increase), EPT/OCH taxa (increase), % Chironomidae individuals
(decrease), and % Baetidae individuals (increase) (Table 5.3).
Discussion
Benthic-macroinvertebrate taxa have long been known to differ between pools
and riffles (e.g., Logan and Brooker 1983, McCulloch 1986, Bonada et al. 2009), and this
study is no exception. Chironomidae and Baetidae have commonly been found in other
studies to occur in both pool habitats and riffle habitats. For example, Chironomidae
were observed to comprise >80% of the pool fauna and >50 % of the riffle fauna in the
same stream system (Scullion et al. 1982). In separate studies, Baetidae were observed to
comprise >15% of pool fauna (Johnson et al. 2003) and >30 % of riffle fauna (Angradi
1999). These studies suggest that Chironomidae and Baetidae are often both pool-riffle
generalists and numerically dominant taxa in streams.
The differences observed in the average number of individuals found in the pool
and riffle samples may reflect differences in the sampling method rather than actual
differences in the number or density of individuals in these two habitats. For example,
even though collections were made over the same amount of time, the pool samples were
obtained from a greater area. This could explain why greater numbers of individuals
were observed in pools in this study, whereas most studies find the opposite (Logan and
Brooker 1983). The pool samples were also more focused on an area within the water
column, as opposed to the bottom substrate.
Although the raw abundance measurements are not directly comparable, relative
metrics standardized by the total number of individuals are appropriate. Relative metrics
are widely used in biological monitoring programs (Barbour et al. 1996, Resh et al.
2000). Comparisons between relative measures or metrics, such as % composition of a
particular taxonomic group, are appropriate because these measures are standardized by
the total abundance of the samples.
Shredders may have been more common in the pools than in the riffles (see Table
5.2) because more coarse particulate organic matter and small woody detritus collected in
the pools for the shredders to use as a food source. Kobayashi and Kayaga (2002) found
this to be the case in a headwater stream. They also found the dominant shredders to be
caddisflies in pools and stoneflies in riffles, which was also the case in this study. The
dominant shredders observed in pools were lepidostomatid and sericostomatid
caddisflies, whereas those observed in riffles were nemourid stoneflies.
The low percentage of Ephemeroptera, Plecoptera, and Trichoptera (EPT)
observed in pools relative to riffles may relate to sampling methods used or to the
physical habitat differences. The low percentage of EPT in pools relative to riffles is
directly captured by the EPT individuals metric, and is also reflected in EPT/OCH and in
the higher tolerance values calculated for the pools. The EPT to OCH ratio is a metric
developed by Bonada et al. (2006) for describing pool-riffle characteristics in
mediterranean-climate streams, in which low values describe a higher degree of pool
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character. EPT taxa typically have lower tolerance to pollution than OCH taxa, and thus
are assigned lower tolerance values (Resh and Jackson 1993).
The pool and riffle specialist taxa that we observed (Table 5.1) conform to the
predictive framework of the EPT/OCH metric. The riffle-specialist taxa observed were
contained within the EPT orders and the pool-specialist taxa observed were contained
within the OCH orders. This result provides support for the use of this metric in the
mediterranean-climate region of California. Because the riffle specialists in this study
were clingers by habit and the pool specialists were swimmers and climbers (Table 5.1),
it is possible that the predictive capabilities of the EPT/OCH metric could be extended to
include predictions of the importance of clingers in the community relative swimmers
and climbers, although this would require further study.
Because EPT is commonly used as a water-quality indicator (Resh and Jackson
1993), the increase in the value of the EPT metric and in the EPT/OCH metric over time
may reflect improving water quality along the reach where the sampling sites were
located. Piovarcsik and Andrew (2008) document a decrease in turbidity in Lagunitas
Creek near Kent Lake over the period 1995-2006, which could be a cause of this apparent
improvement. However, the increase in these metrics could just be natural annual
variability. For example, data from other studies in California suggest that the annual
variability for EPT abundance, reflected by coefficients of variation, is approximately
50% (Resh 1979, Rosenberg and Resh 1982, Lamberti and Resh 1985, Resh and Jackson
1993, Resh et al. 2000, Mazor et al. 2006, Mazor et al. 2009). Based on the decrease in
% Chironomidae and the increase % Baetidae observed in riffles from early to late in
restoration (Table 5.3), and the observations that % Chironomidae was lower in pools and
% Baetidae was higher in riffles (Table 5.2), it can be inferred that the riffle habitat is
exhibiting more riffle character than it had early in restoration, i.e., the riffles may be
increasing in size.
Mayflies, stoneflies, and caddisflies, i.e., the EPT taxa, are widely known among
both scientists and fly fishermen as high-quality food source for salmonids (Wooster and
Sih 1995). Because one of the main goals of the engineered, large-wood structures was
to facilitate survival of juvenile Coho salmon, the increase in EPT taxa is a sign that this
project facilitated or in the very least did not hender survival of Coho salmon in the
watershed.
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Order
Coleoptera
Plecoptera
Trichoptera
Trichoptera

Family
Dytiscidae
Perlidae
Rhyacophilidae
Uenoidae

Genus
Oreodytes*
Calineuria**
Rhyacophila**
Neophylax**

Habitat
Erosional and depositional
Erosional
Erosional
Erosional

Habit
Swimmers; Climbers
Clingers
Clingers (free ranging)
Clingers (case)

Trophic Relationships
Predators (piercers)
Predators (engulfers)
Predators (engulfers)
Scrapers; Collector-gatherers

Tolerance Values
5
2
1
0

Table 5.1. Functional characteristics and tolerance values (Merritt et al. 2008) for taxa determined to be most responsive to changes in
pool and riffle habitat. * indicates pool taxa. ** indicates riffle taxa.

Table 5.2. Comparison of average metric values between pools and riffles at the four
study sites. * indicates significance.
Type of Metric
Functional Feeding Group

Community Metrics

Metric
% Predator
% Collector-filterer
% Collector-gatherer
% Scraper
% Shredder
% EPT Individuals
EPT / OCH Taxa
Tolerance Value
% Chironomidae Individuals
% Baetidae Individuals
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Pools (SE)
1 (1)
0 (0)
20 (20)
11 (3)
18 (16)
33 (18)
2.4 (0.2)
5.0 (0.5)
64 (19)
3 (0.4)

Riffles (SE)
17 (4)
2 (1)
65 (10)
11 (5)
3 (1)
84 (3)
9.6 (1.5)
3.0 (0.3)
7.0 (2)
50 (12)

p-Value
p = 0.079
p = <0.001
p = 0.067
p = 1.000
p = 0.050*
p = <0.001*
p = 0.038*
p = 0.008*
p = <0.001*
p = 0.008*

Table 5.3. Comparison of average metric values between riffle habitats early in
restoration (2001) and late in restoration (2010); the restoration in the watershed began in
1998 and continued through 2010. * indicates significance.
Type of Metric
Functional Feeding Group

Community Metrics

Metric
% Predator
% Collector-filterer
% Collector-gatherer
% Scraper
% Shredder
% EPT Individuals
EPT / OCH Taxa
Tolerance Value
% Chironomidae Individuals
% Baetidae Individuals
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Early in Restoration
(SE)
11 (3)
7 (4)
43 (2)
27 (4)
12 (3)
51 (3.0)
3.1 (0.4)
3.8 (0.2)
22 (1.7)
8.6 (1.6)

Late in Restoration
(SE)
17 (4)
2 (1)
65 (10)
11 (5)
3 (1)
84 (3.0)
9.6 (1.5)
3.0 (0.3)
7.0 (2.0)
50 (12)

p-Value
p = 0.275
p = 0.271
p = 0.074
p = 0.047*
p = 0.029*
p = <0.001*
p = 0.006*
p = 0.068
p = 0.001*
p = 0.014*

Table 5.4. Comparison of the average % abundance of the specialist pool and riffle taxa
between early in restoration (2001) and late in restoration (2010). * indicates pool taxa.
** indicates riffle taxa.
Metric
% Oreodytes*
% Calineuria**
% Rhyacophila**
% Neophylax**

Early in Restoration (SE)

Late in Restoration (SE)

p-Value

0.0 (0.0)
0.57 (0.22)
2.05 (0.45)
0.85 (0.52)

0.0 (0.0)
1.9 (0.6)
1.5 (0.3)
0.5 (0.3)

p = 1.000
p = 0.083
p = 0.348
p = 0.581
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