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Abstract

Tidal Wetland Vegetation in the San Francisco Bay Estuary:
Modeling Species Distributions with Sea-Level Rise

by
Lisa Marie Schile
Doctor of Philosophy in Environmental Science, Policy, and Management
University of California, Berkeley

Professor Maggi Kelly, Chair

Tidal wetland ecosystems are dynamic coastal habitats that, in California, often occur at
the complex nexus of aquatic environments, diked and leveed baylands, and modified
upland habitat. Because of their prime coastal location and rich peat soil, many
wetlands have been reduced, degraded, and/or destroyed, and yet their important role
in carbon sequestration, nutrient and sediment filtering, flood control, and as habitat
requires us to further research, conserve, and examine their sustainability, particularly
in light of predicted climate change. Predictions of regional climate change effects for
the San Francisco Bay Estuary present a future with reduced summer freshwater input
and increased sea levels, resulting in higher estuarine salinities throughout the growing
season, increased saline influence in brackish and freshwater marshes, and increased
depth and duration of inundation. Experimentally testing, monitoring across scales,
and spatially modeling the responses of dominant wetland vegetation to the substantial
predicted climate change effects are among the critical threads of knowledge needed to
understand how this estuary and others along the Pacific coast might respond to
significant changes in physical drivers and community interactions. My dissertation
research focused on possibilities for wetland resilience in a changing climate in the San
Francisco Bay Estuary across scales and using a suite of methodologies.

Tidal wetland resilience to predicted sea-level rise requires an understanding of both
individual plant and community-level responses in addition their interactions with
sediment supply and adjacent land uses. Through a large field experiment simulating
sea-level rise, | found that wetland plants have a high tolerance for increases in
inundation in the short term and that community interactions need to be incorporated
into plant responses to increased sea-level rise. Scaling measurements of plant
production up to the site level and across landscapes requires the integration of field
measurements with remotely sensed measurements. Investigating remote sensing
techniques of measuring carbon stock, | found that the presence of dense standing plant
litter common in Pacific coast freshwater wetlands can hinder the ability to find a
reliable way of measuring plant production remotely. Finally, | was able to successfully
calibrate an ecogeomorphic mechanistic model for wetland accretion across four
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wetlands in the San Francisco Bay Estuary and examine potential wetland resiliency
under a range of sea-level rise scenarios. At sea-level rise rates 100 cm/century and
lower, wetlands remained vegetated. Once sea levels rise above 100 cm, marshes begin
to lose ability to maintain elevation, and the presence of adjacent upland habitat
becomes increasingly important for marsh migration. Results from this study
emphasize that the wetland landscape in the bay is threatened with rising sea levels, and
there are a limited number of wetlands that will be able to migrate to higher ground as
sea levels rise. Despite these challenges, my dissertation presents a robust and new
understanding of how tidal wetlands might respond to predicted climate change.
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CHAPTER ONE

Resiliency of tidal wetlands in San Francisco Bay Estuary to predicted
climate change

Tidal wetland ecosystems are dynamic coastal habitats that occur between terrestrial
and marine environments. They produce and sequester large quantities of carbon
(Chmura et al. 2003, Drexler et al. 2007), provide flood control, filter nutrients and
sediment, and are habitat to many threatened and endangered species (Josselyn 1983,
Palaima 2012). However, because of their prime coastal location and rich peat soil,
many wetlands have been modified, degraded, and/or destroyed (Tornqvist et al. 2008,
Bromberg Gedan et al. 2009, Deverel and Leighton 2010), and there is growing interest
to preserve and restore these vital ecosystems, particularly in light of predicted climate
change (Callaway et al. 2007). One of the key defining features of a tidal wetland is the
presence of vegetation that can grow and reproduce in low oxygen or anoxic soil (Mitsch
and Gosselink 2007). Much effort is being directed towards understanding how tidal
wetland vegetation is structured currently, and how processes might shift with climate
change. Predictions of regional effects of climate change for coastal California, and the
San Francisco Bay Estuary (Estuary) in particular, present a future with reduced
summer freshwater input and increased sea levels (Knowles and Cayan 2002), resulting
in higher estuarine salinities throughout the growing season, increased saline influence
in brackish and freshwater marshes, and increased depth and duration of inundation
(Parker et al. 2011a). Many studies have been conducted on the variable effects of
salinity, inundation, and competition on wetland plants on the East and Gulf coasts of
the United States (McKee and Mendelssohn 1989, Lessmann et al. 1997, Baldwin and
Mendelssohn 1998, Howard and Mendelssohn 2000, Donnelly and Bertness 2001,
Crain et al. 2004, Konisky and Burdick 2004, Pennings et al. 2005), but, to date, a
comprehensive investigation has not occurred in wetlands in the Estuary. Differences in
climate, hydrology, vegetation, and landscape context require the examination of
vegetative responses in Pacific coast wetlands to climate change. Experimentally
testing, monitoring across scales, and spatially modeling the responses of dominant
wetland vegetation to the substantial predicted climate change effects are among the
critical threads of knowledge needed to understand how this estuary and others along
the Pacific coast might respond to significant changes in physical drivers and
community interactions. Each chapter in my dissertation focuses on one part of this
overall question, and uses one of a suite of experimental and modeling techniques.

In this introductory chapter, I examine the context of my research: I review the state of
tidal wetlands in the Estuary, highlight the predicted regional climate change effects,
and present a landscape-level study on the potential resiliency and ability of current
tidal wetlands to migrate upland with projected sea-level rise.



Importance of Tidal Marshes of San Francisco Bay Estuary

The Estuary wetland landscape is an intricate mosaic of natural and restored wetlands
intermixed with diked managed marshes, and farmed and grazed diked baylands, all
surrounded by one of the country’s largest urban areas. Since European settlement,
roughly 90% of the wetlands in the Estuary have been degraded or converted, primarily
through agricultural practices and urban development (San Francisco Estuary Project
1991, Fretwell et al. 1996), and construction of dams, large diversion projects, and
shipping channels have affected freshwater flow and suspended sediment inputs to the
Estuary (Nichols et al. 1986). This has caused dramatic functional changes to the region
over the last 150 years that have made the Estuary more vulnerable to plant and animal
invasions than any other coastal environment in the U.S. (Nichols et al. 1986, Cohen and
Carlton 1998). Taken together, these changes continue to have a significant negative
impact on the region’s ecosystem functions. Loss of wetland habitat affects endangered
endemic species, such as the salt marsh harvest mouse (Reithrodontomys raviventris),
California clapper rail (Rallus longirostris obsoletus), Suisun thistle (Cirsium
hydrophilum var. hydrophilum), and soft bird’s beak (Chloropyron molle molle).
Therefore, there is considerable interest to maintain the integrity of current wetlands
and facilitate restoration of the diked baylands throughout the Estuary.

Regional effects of climate, freshwater flow from the Sierra Nevada, and marine
influence from the Pacific Ocean structure Estuary-wide vegetation patterns. The
climate is characterized by a mediterranean-type climate, with warm, dry summers and
rainy, cool winters (Josselyn 1983). Run-off from Sierra Nevada snow pack and rain
creates lower salinity conditions in the Estuary during the winter and spring, after which
the Estuary receives sharply reduced freshwater input during the summer and fall
(Conomos 1979). Variability in freshwater flow results in shifting penetration of salt
water into the eastern stretches of the Estuary (Kimmerer 2002, Monismith et al. 2002).
The tides from the Pacific Ocean are characterized by a mixed semi-diurnal cycle, with
two daily high and low tides that differ in magnitude (Josselyn 1983).

Spanning a salinity gradient created by the ocean and river inputs, the Estuary’s tidal
marshes line the bay and river margins, and in most cases, abut levees along urban and
agricultural land. Salt marshes are found along San Francisco and San Pablo Bays,
brackish and oligohaline marshes are located along the Napa River and Suisun Bay, and
freshwater marshes occur in the Sacramento-San Joaquin river delta (Fig. 1-1). Each
habitat type has a diverse assemblage of plant species, with diversity increasing as
salinity decreases (Grewell et al. 2007, Vasey et al. 2012). Tidal salt marshes within the
Estuary are dominated by Salicornia pacifica (pickleweed; formerly Salicornia
virginica) throughout the majority of the marsh plain and dense stands of Spartina
foliosa (California cordgrass) line channel edges and bay margins. Despite the
dominance of these two species, Pacific coast salt marshes are diverse compared to
Atlantic and Gulf Coast marshes (Zedler et al. 1999). In brackish tidal marshes,
Bolboschoenus maritimus (alkali bulrush; formerly Scirpus maritimus), S. pacifica,
Typha angustifolia (cattail), and S. foliosa are the most common species.
Bolboschoenus maritimus and S. pacifica tend to occupy mid to high marsh elevations
whereas T. angustifolia, S. foliosa, and Schoenoplectus californicus (California tule;
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formerly Scirpus californicus) are abundant at mid to low marsh elevations. The
majority of diversity occurs along channel edges (Sanderson et al. 2001), with diversity
reaching up to 13 species within four meters of a channel (Parker et al. 2011b). Further
up the Estuary into the delta, freshwater tidal marshes are dominated by
Schoenoplectus acutus (tule; formerly Scirpus acutus), S. californicus, Typha species,
Phragmites australis (common reed), Schoenoplectus americanus (common three-
square; formerly Scirpus americanus), and Salix lasiolepis (arroyo willow) (Leck et al.
2009, Vasey et al. 2012). The latter two species are more abundant at higher marsh
elevations whereas the other species are commonly found in lower marsh regions.
Freshwater tidal marshes have a very species-rich subdominant community, and species
assemblages differ depending on marsh location (Vasey et al. 2012).

At the site level, differences in inundation and salinity, combined with plant
interactions, create patchy spatial distributions (Zedler et al. 1999, Tuxen et al. 2011,
Vasey et al. 2012). Within brackish and freshwater wetlands, there often is overlap
between freshwater and salt tolerant species driven by gradients in tidal flushing from
channels and bay edges and salt accumulation due to high evapotranspiration rates on
the marsh plain (Parker et al. 2012). The influences of flooding, salinity, and
competition have been shown to drive plant zonation patterns in southern California
salt marshes (Pennings and Callaway 1992), but few data exist to document how plants
will respond across an estuarine salinity gradient (Crain et al. 2004) or with predicted
climate change impacts. Given that changes likely will occur from the plant, site, and
landscape level, evaluation of specific plant responses to increased inundation and
salinity is needed through a suite of experimental and remote sensing based approaches.

Predicted Effects of Climate Change

Predictions of regional climate change effects for coastal California present a future with
reduced summer freshwater input and increased sea level (Knowles and Cayan 2002).
Multiple regional climate models predict that warmer temperatures will result in a
reduced snowpack storage in mountain ranges, increased flooding during the rainy
season, and reduced input of snowmelt during the summer (Gleick 1987a, b,
Lettenmaier and Gan 1990, Gleick and Chalecki 1999, Knowles and Cayan 2002, 2004,
Dettinger 2005, Knowles et al. 2006). Although there are some outliers in predicted
impacts, most models concur for predicted temperature and rainfall in California
(Dettinger 2005). These hydrologic changes would influence ecosystems downstream,
resulting in an altered salinity regime (Goman and Wells 2000, Stahle et al. 2001,
Knowles and Cayan 2002). Mediterranean-climate tidal wetlands are particularly
susceptible to these climate change effects. As with other tidal wetlands, they will be
impacted by increased inundation if accretion rates do not keep pace with sea-level rise
(SLR) (Morris et al. 2002, Turner et al. 2004) and differential impacts of CO.
fertilization on C3 and C4 plants (Rasse et al. 2005). However, mediterranean-climate
tidal systems are additionally threatened by salt accumulation during the lengthy dry
summers that will accelerate with warmer temperatures (Cayan et al. 2008). Changes in
patterns of precipitation and water management will exacerbate this impact, especially
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given the increased societal demands for water in a semi-arid climate (Cloern et al.
2011).

Sea levels are expected to rise as more snow and ice sheets melt and oceans thermally
expand with predicted increases in temperature (Intergovernmental Panel on Climate
Change 2007). Most tidal marshes accumulate 2-8 mm of sediment per year (Stevenson
et al. 1986, Reed 1995, Callaway et al. 1996, Callaway et al. 2012), and this compensates
for current (2-3 mm per year) increases in sea-level rise (SLR), compaction, and
subsidence. However, SLR is projected to increase up to 100 cm over the next 100 years
(Intergovernmental Panel on Climate Change 2007, National Research Council 2012),
with some projections as high as 180 cm (Vermeer and Rahmstorf 2009). Tidal
marshes will either maintain elevations through mineral and organic matter accretion,
migrate inland to adjacent terrestrial areas, or face increased inundation (Donnelly and
Bertness 2001, Morris et al. 2002). Substantial data from Louisiana, Chesapeake Bay,
and modeling studies have shown that as increases in relative sea level get close to 10 to
12 mm/yr, most marshes cannot keep pace and vegetation eventually may be inundated
and converted to open water/mudflats (Baumann et al. 1984, Kearney and Stevenson
1991, Boesch et al. 1994, Morris et al. 2002, Rasse et al. 2005, Stralberg et al. 2011).

Although it may be possible for marsh accretion in the San Francisco Bay to keep up
with SLR (Orr et al. 2003, Callaway et al. 2012), studies have shown a decline in bay
sediments over time due to dams and river diversions (Foxgrover et al. 2004,
Schoellhamer 2011) and predict further declines (Cloern et al. 2011), and future large-
scale tidal marsh restoration projects may further deplete existing bay sediments.
Increases in water salinity on the order of five to seven parts per thousand can result in
a reduction in plant biomass and diversity, particularly in brackish and freshwater
marshes (Parker et al. 2012, Vasey et al. 2012), which reduces the organic matter input
available for wetland accretion. Furthermore, in the highly urbanized Estuary system,
tidal wetlands are restricted in terms of adjacent terrestrial habitats for upslope
migration in response to SLR. These factors present a complicated and uncertain future
for the resiliency of tidal wetlands in the Estuary in the face of predicted sea-level rise
rates up to 180 cm in the next century.

Wetland Landscape Context

Current tidal wetlands are constrained by their landscape context. Their capacity to
respond to a changing climate will relate to the ability to keep pace with increased
inundation and changes in salinity, but also to their ability to migrate to higher ground.
In order to set the context for the following chapters, I performed a landscape-level
analysis to characterize current tidal wetlands based on their surrounding land uses and
relate that to scores of potential resiliency (see below) with predicted sea-level rise.
Using the EcoAtlas baylands spatial data (Goals Project 1999), updated to account for
multiple recent tidal restoration efforts, and the Conservation Lands Network land use
spatial dataset (Bay Area Open Space Council 2011), I classified the landscape context of
every mapped tidal wetland in the Estuary based on adjacent land uses. Land uses were
consolidated into seven main types: tidal channel/bay, diked wetland, salt pond,
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cultivated and/or grazed bayland, storage/treatment pond, hillside, and urban (Fig. 1-
2). The diked wetland category encompassed managed marshes, muted marshes, diked
wetlands, and managed diked wetlands. Cultivated and/or grazed baylands
incorporated farmed, grazed, and filled baylands. The urban category included both
urban and rural residential areas. Salt ponds are former tidal wetlands that have been
diked and managed for salt production. Surrounding land use types for each wetland
polygon were identified by creating a ten meter buffer around the wetland in ArcMap
10.0 (ESRI Inc. 2010), intersecting and then joining the buffer with surrounding
landcover types; results were summarized for each wetland. Each land use type was
scored on a scale of 0 (no benefit) to 5 (most benefit) based on ecosystem services for
four metrics: current value for terrestrial wildlife (resident and breeding birds;
mammals), aquatic wildlife, and vegetation, and future benefit for either direct marsh
migration or availability after removing levees or if some other management
modification occurred. An average resiliency score was also calculated. The five
resiliency scores were applied to each tidal wetland depending on surrounding land use
and average scores were used if multiple land uses occurred around a wetland. The
scores for each metric were mapped at the Estuary-level.

Depending on the metric investigated, wetland scores varied across the Estuary. For all
indices, surrounding urban habitat had no benefit (Table 1-1); therefore; wetlands
adjacent to urban areas, specifically in Southwest San Pablo and South San Francisco
Bays, consistently ranked low across all metrics (Figs. 1-3 — 1-7). High scores for
terrestrial wildlife depended on the availability of hillsides and cultivated and grazed
baylands, used for foraging and high tide refugia, and of tidal flats, which are used for
foraging (Table 1-1). Roughly 70% of wetlands have surrounding land use that scored
higher than three for terrestrial wildlife and the majority of the sites were near San
Pablo and Suisun Bays (Fig. 1-3). Surrounding habitat that is favorable to aquatic
wildlife was restricted to tidal channels and bays (Table 1-1), and approximately 40% of
surrounding land use types were beneficial (Fig. 1-4). The majority of those sites were in
Suisun Bay and along the Napa river (Fig. 1-4). Wetlands that neighbored diked
marshes and tidal channels scored high for importance to plants due the potential for
both wind and water seed dispersal (Table 1-1). Beneficial plant habitat surrounded 57%
of tidal wetlands, mostly near San Pablo and Suisun Bays (Fig. 1-5). Hillsides and
cultivated and/or grazed habitats scored highest for potential wetland migration due
their minimally-developed land use and mostly upland elevations, and both diked
marshes and salt ponds received moderate scores due to their strong potential to be
restored but the lack of upland elevations (Table 1-1). Sites surrounded by tidal channels
and bays have little to no benefit for marsh resiliency (Table 1-1). Less than 25% of
wetlands had surrounding landcover types that were beneficial for future marsh
migration and the majority of the sites were along the Petaluma and Napa rivers (Fig. 1-
6). Roughly 42% of surrounding habitat had scores less than two and were located
mostly in the South Bay and southern Suisun Bay (Fig. 1-6). Averaged across all
resiliency metrics, 45% of wetlands had scores greater than 3 and 20% were surrounded
by landcover types with scores less than two (Fig. 1-7).

While it is widely known that the current tidal wetland distribution in the Estuary is
restricted due to levees and development (San Francisco Estuary Project 1991), no study
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has yet to examine how surrounding landscape use could support or hinder wetland
migration, and hence resiliency, in light of predicted climate change. This preliminary
investigation highlights potential important areas for future unplanned restoration, and
areas that are most vulnerable with predicted sea-level rise based on the surrounding
landscape. Across all metrics, wetlands along northern Suisun Bay and the Petaluma
and Napa rivers had scores greater than three, suggesting that the salt and brackish
marshes located here likely have higher resiliency than those in the South Bay, which
usually abut an urban edge.

The landscape context of a wetland is critical over all time scales. For example, there is
currently a large-scale restoration effort underway in the south of San Francisco Bay and
along the Napa River to restore former salt ponds to tidal wetlands using an adaptive
restoration approach. The sites that have been restored are actively accreting and
recruiting vegetation and it is anticipated that future neighboring restoration sites will
respond accordingly. Yet, there is little surrounding upland habitat for marsh migration
despite the ample restoration opportunities due to the high urban density, particularly
in the South San Francisco Bay (Fig. 1-2). This example is likely writ large throughout
the Estuary, yet we have no comprehensive understanding of the ability of wetlands to
respond to a changing climate conditions outside of what has been experienced before.

Chapter Outline

This introductory exercise examining land use adjacent to wetlands emphasizes the fact
that the San Francisco Bay Estuary is a highly urbanized estuary and that strategic
planning is necessary in order to foster wetland resiliency with predicted sea-level rise.
Using this landscape-level framework in the following chapters, I examine how specific
plant species respond to increased sea-level rise when grown alone and together, test
how accurate remotely-sensed metrics for measuring plant production are in a
freshwater marsh, and model how sensitive wetland accretion rates and mapped habitat
distributions are to changes in sea level. Below, I provide a brief summary of each
chapter.

Chapter two investigates through a manipulative field experiment if wetland plant
community structure can track sea-level rise. Climate change impacts, such as
accelerated sea-level rise and increased salinity, will affect stress gradients, yet it is
unclear how these changes might alter competition/stress tolerance trade-offs or
resulting shifts in species distributions. I conducted an experiment in two tidal
wetlands to examine how increased inundation stress and biotic interactions affect two
common sedges that have overlapping but distinct tidal distributions. With predicted
sea-level rise, my data suggest that multiple stressors can differentially influence the
relative abiotic and competitive forces on biomass as stresses increase, and that closely
related species respond differently to these stresses.

Chapter three examines if remote sensing techniques developed in forest and
agricultural systems can be applied to wetlands that have a significant layer of dead
plant material (litter). The potential to reliably scale field-based measurements of
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carbon production to remotely-sensed data is of growing interest due to the need to
quantify carbon storage and estimate potential plant contribution to marsh accretion.
The fraction of absorbed photosynthetically active radiation (fapar) was measured above
and within the litter layer in a managed freshwater wetland and was related to spectral
indices calculated from in-situ spectral data, and the difference in canopy light
transmission was compared with a tidally influenced wetland. The presence of litter
reduced correlations between spectral vegetation indices and fapar and was significantly
correlated with fapar only when measured above the litter layer, not at the ground where
measurements typically occur. These results, while demonstrating challenges and issues
about the ability to reliably use remote sensing for large-scale carbon monitoring, are
nonetheless important to report.

Chapter four focuses on the calibration and application of a wetland accretion model to
examine how predicted sea-level rise might affect tidal wetland distributions in the
Estuary. This elevation-based model incorporates both the organic and mineral
contributions to wetland elevation change and was scaled up to the site level to
investigate how wetland habitats might change under increased rates of sea-level rise
and reductions in sediment. Few spatial models have mechanistically modeled plant
responses to sea-level rise and its resulting effects on marsh accretion. The results
highlight the importance of vegetation in accretion models and emphasize the crucial
role of upland habitat for marsh migration with sea-level rise.

Chapter five highlights the key results of my dissertation and relates them to the
growing field of wetland sustainability in light of predicted climate change. Collectively,
this dissertation addresses a number of key questions regarding wetland plant response
to SLR, comments on available methods for scaling carbon estimates in wetland
systems, and refines past models of wetland resilience by better use of ecogeomorphic
feedbacks. As such it represents a step forward in understanding the potential resilience
of the wetland landscape of the San Francisco Bay Estuary in a changing climate.



FIGURE 1-1. Distribution of wetland types in the San Francisco Bay Estuary.
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FIGURE 1-2. Land cover map of the San Francisco Bay Estuary.
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FIGURE 1-3. Current tidal wetlands scored according to the benefit of surrounding land
use types for terrestrial wildlife (0 = least benificial and 5 = most benificial).
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FIGURE 1-4. Current tidal wetlands scored according to the benefit of surrounding land
use types for aquatic wildlife (0 = least benificial and 5 = most benificial).

4
) . ]
- 7 i L9 s \ 4
ST -
LN : - Y
3> \/.’___";"- ,“,‘ ""-‘\:( \
0 ¢ ; ! - (
’~ \ . y i
‘!} “ 7 KNP v
b ¥ J’.‘h 5 E\ E
Lo Y~ -
o N 1'/‘ "o
- - » ‘
; 4-" Aquatic Wildlife
: : score
2. o oo
1, ~ N 1-19
' 2-29
3-39
440
Hl
1
. §
-
2 f
~
(-
A \ "
!\ * 7 $
A W <3y
F’ ~
> - -\‘,' /”g Lﬂ
T T T ¢ .\(il -
,\ 0255 10 AL
N Kilometers I\

11




FIGURE 1-5. Current tidal wetlands scored according to the benefit of surrounding land
use types for wetland vegetation (0 = least benificial and 5 = most benificial).

ke r*'.-\-"’& ~';
\-"\ B | Ve -
- |\ o SEiy F';L)Er’
> w3
Sl |
[ {/1'
1 2 ‘? )‘-‘;r&v"“
J L
T A\
b o,
» - E I\ |
Vegetation
Ny
. score
- Blo- oo
e i 1-1.9
.
2-29
3-39
-0
s
i [
~ f
2
-
\ [ T 5 :
5 # :_-‘!"
£ =
r" i ~
S S
- f *
*'1' L &
'\ 71 T L -
0255 10 IO
N Kilometers IN

12



FIGURE 1-6. Current tidal wetlands scored according to the migration potential of
surrounding land use types (0 = least benificial and 5 = most benificial).
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FIGURE 1-7. Current tidal wetlands scored according to the average resiliency score
of surrounding land use types (0 = least benificial and 5 = most benificial).
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CHAPTER TWO

Can community structure track sea-level rise? Stress and competitive
controls in tidal wetlands

The relative importance of abiotic and biotic factors often shifts along stress gradients,
with biotic interactions changing from competition to facilitation with increasing
physiological stress. Climate change impacts, such as accelerated sea-level rise and
increased salinity, will affect stress gradients, yet it is unclear how these changes
might alter competition/stress tolerance trade-offs or resulting shifts in species
distributions. I conducted an experiment in two tidal wetlands to examine how
increased inundation stress and biotic interactions affect two common sedges,
Schoenoplectus acutus and Schoenoplectus americanus, that have overlapping but
distinct tidal distributions. As hypothesized, S. acutus, which occupies low marsh
habitats, best tolerated inundation stress, regardless of neighbors. Contrary to
predictions, facilitation of either species was not documented with increased
inundation stress. At the fresher site, S. americanus was competitively superior to S.
acutus at the highest elevation. Schoenoplectus americanus never out-competed S.
acutus at the saltier site and had reduced biomass with competition at every elevation.
The competitive superiority of the stress tolerator (S. acutus) at the saltier site was not
predicted by the stress/competition trade-off model and points to important synergies
between multiple stressors. With predicted sea-level rise, my data suggest that
multiple stressors can differentially influence the relative abiotic and competitive
forces on biomass as stresses increase.

Introduction

The role of abiotic and biotic stresses on structuring plant communities and
distributions has been widely examined (Pennings and Callaway 1992, Greiner La Peyre
et al. 2001, Hillyer and Silman 2010) and often is complex (Guo and Pennings 2012). In
many ecosystems, abiotic stresses and biotic interactions bound the lower and upper
distributions, respectively, along gradients (Connell 1961, Crain et al. 2004). The effect
of biotic interactions has been demonstrated to shift from competition to facilitation as
abiotic stress increases (Bertness and Callaway 1994) and can vary depending on the
nature of the abiotic stress and species involved (Maestre et al. 2009). Little is known,
however, about the role of accelerated climate change in the context of trade-offs
between stress tolerance, competition, and facilitation (Gilman et al. 2010, Maestre et
al. 2010, Adler et al. 2012). Changes in climate are predicted to influence plant
communities through shifts in temperature, carbon dioxide concentrations, sea level,
precipitation, and nitrogen, among others, which are apparent already through changes
in distribution, productivity, and phenology (Parmesan and Yohe 2003, Zavaleta et al.
2003, Jump and Pefiuelas 2005). With predicted accelerated climate change, the
influence and impact of abiotic stress, competition, and facilitation are likely to shift
(Brooker 1996, Suttle et al. 2007), yet many uncertainties remain regarding how species
distribution and abundance will be affected.
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Estuaries are a model habitat to study species interactions along stress gradients due to
the clear identification of dominant stressors present (Pennings and Callaway 1992), the
compact nature of the gradient, and the significant negative effects of predicted climate
change (Donnelly and Bertness 2001). Sea levels are predicted to rise between 0.4 and
1.8 m by 2100 (Vermeer and Rahmstorf 2009), and concurrent with this rise are
increases in salinity (Cloern et al. 2011). Tidal wetlands are a key ecosystem within
coastal environments that produce and sequester significant quantities of carbon
(Bridgham et al. 2006). Marshes respond to changes in sea level through accretion by
mineral and organic inputs and by migrating up or down-slope (Morris et al. 2002).
Therefore, understanding how biotic and abiotic factors interact to affect both above-
and below-ground biomass and species distributions is key to predicting how these
systems will fare with accelerated rates of sea-level rise.

While greenhouse experiments provide essential information on plant growth under
controlled conditions (Greiner La Peyre et al. 2001, Cherry et al. 2009), here I test the
effect of increased abiotic stresses and biotic interactions on plant growth under field
conditions, which often are difficult to realistically simulate. I chose two cosmopolitan
wetland sedge species, Schoenoplectus acutus (Muhl. ex Bigelow) A. Love & D. Love var.
occidentalis (S. Watson) S.G. Sm. and Schoenoplectus americanus (Pers.) Volkart ex
Schinz & R. Keller, that have adjacent, slightly overlapping tidal distributions in the San
Francisco Bay estuary, California, USA, and different rhizome and stem morphology. A
common mid and high species marsh, S. americanus has been studied widely under a
variety of climate change and competition scenarios along the Atlantic coast and Gulf of
Mexico, including flooding, increased carbon dioxide concentrations, and nutrient
addition (Broome et al. 1995, Erickson et al. 2007, Langley et al. 2009, Kirwan and
Guntensbergen 2012); however, field experiments have not specifically addressed how
sea-level rise affects abiotic and biotic interactions. Little is known about the responses
of S. acutus, which is characteristic of lower marsh zones, to increased inundation and
neighbor interactions in tidal systems.

In this paper, I investigated the individual and combined effects of increased inundation
and biotic interactions on above- and below-ground biomass of S. acutus and S.
americanus at two tidal wetlands that differ slightly in salinity. I grew the plants at
elevations lower than current distributions to simulate sea-level rise. Based on current
marsh distributions, I hypothesized that: 1) S. acutus would have better performance
than S. americanus under conditions of increased inundation without competition
(better stress tolerator); 2) S. americanus would have a competitive advantage at higher
elevations due to the clumping rhizome growth pattern, and dominance throughout the
marsh plain (better competitor); and 3) S. acutus would facilitate the growth of its
congener at the lowest elevations (increased facilitation with stress). I employed a
unique experimental design that allowed us to test these hypotheses under field
conditions across existing elevations and those not currently found within marshes to
reflect potential future conditions.
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Materials and Methods

Site Description

I conducted the experiment within two historic brackish tidal wetlands: Browns Island
(latitude: 38°2’ N, longitude: 121°51’ W) and Rush Ranch Open Space Preserve (here-
after called Rush Ranch; latitude: 38°11’ N, longitude: 122°01’ W (Fig. 2-1). Both sites
have mixed semi-diurnal tides. Water salinity fluctuates seasonally, with the lowest and
highest salinities found in the early spring and early fall, respectively, and the
magnitude depends on winter precipitation and river flow (Enright and Culberson
2009). The average water salinity between 2008 and 2011 was 1.5 and 4.3 %o at Browns
Island and Rush Ranch, respectively (L. Schile, unpublished data).

Species description

Schoenoplectus acutus (hardstem tule) dominates along tidal channel, river, and lake
margins and forms stands of erect 1.5-3 m tall stems. Rhizomes are 1.5-4 cm wide and
grow linearly with few branches (Wildova et al. 2007). Schoenoplectus americanus
(Olney’s bulrush) forms solid stands across mid and high marshes. Stems are 0.3-1.8 m
tall, and rhizomes are 0.5-2 cm wide, forming both clumps and runners (Ikegami et al.
2007). Both species reproduce predominantly through clonal growth.

Experimental Design

Experimental planters, named marsh organs (Morris 2007), were constructed to grow
both species at five fixed elevations in tidal channels (Fig. 2-2). I established three
species treatments at each elevation: one rhizome of each species was planted
individually and one rhizome of each species was planted together to examine the role of
biotic interactions. To construct marsh organs, 15 cm diameter PVC pipes were cut into
five different lengths in 15 cm increments from 45 to 105 cm, window screens were
glued to each pipe bottom to allow for drainage, and pipes were bolted together in rows
of three in descending height to form a flat-bottomed structure and bolted into a wood
frame. At each wetland, seven south-facing channel locations were chosen adjacent to
the marsh edge, and three support beams were pounded to resistance into the channel
bottom, onto which the marsh organ was mounted. The top row elevation was set at 1.5
m NAVDS88, which was determined based on the lower range of marsh elevations for S.
acutus and S. americanus, and surveyed using a real-time kinetic global positioning
system unit with vertical accuracy of 2-5 cm. Sediment to fill the pipes was collected
from unvegetated mudflats within each marsh.

Rhizome and Data Collection
In April 2010, rhizomes of both species were collected from multiple locations at
Browns Island, washed, and grown in fresh water in a greenhouse. In February 2011, all
rhizomes and shoots were clipped to a standard length and weighed, and rhizomes were
planted at both sites in early March. Every month from April to September 2011, each
stem was measured and total stem length and stem density was calculated. Pore-water
salinity, pore-water sulfides, and redox potential were collected at both sites within the
same week. In one randomly-selected pipe in every row, pore-water was collected 15 cm
deep. Salinity was measured and two to five mL of pore-water was mixed immediately
with a sulfur anti-oxidant buffer solution in a vacuum-evacuated vial. Sulfide
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concentrations were measured in the lab and compared against a standard curve. One
organ at each site was randomly chosen to collect redox measurements, Eh, in every
pipe. Platinum-tipped redox electrodes were placed 15 cm deep, left for a day to
equilibrate, and measurements were taken during the bottom of the low tide. Eh was
calculated by adding the field voltage to a correction factor for the reference electrode
(+200 mV). No pore-water or Eh measurements were taken in August. Channel water
level stations were installed at both sites and recorded water salinity and depth every 15
minutes relative to meters NAVDS88. The time inundated was calculated for each marsh
organ elevation at both sites between March and September and common tidal metrics
were computed.

Beginning at the end of September through the beginning of November, all above-
ground biomass was clipped, and marsh organ pipes were removed. Above-ground
biomass was washed, sorted by species and live and dead shoots, dried at 70°C for two
days, and weighed. Below-ground biomass was removed from the pipes, washed
thoroughly over a 2-mm screen, sorted by species, roots, and rhizomes, dried at 70°C for
three days, and weighed.

Data Analysis

All data were analyzed using SAS 9.2 (SAS 2009); data transformations, when needed,
are noted below, and all data met conditions of normality and homogeneity of variance.
All post-hoc comparisons were made using Tukey’s least square means test. To examine
differences in abiotic variables, the average number of minutes that each elevation
treatment was inundated was analyzed using a two way analysis of variance (ANOVA).
The data were log transformed. The effects of elevation and site on pore-water salinity,
sulfides, and Eh over time were analyzed using a repeated-measures ANOVA
(rmANOVA). Salinity and sulfides were square-root transformed. A simple linear
regression was run to test for effects of initial wet biomass on total harvested plant
biomass. To address my first hypothesis at each site, differences in above-ground,
below-ground, total biomass between species and amongst elevations were analyzed
using a two-way ANOVA, and all variables were square-root transformed. We ran the
same analysis with the same transformation to assess differences in the above-ground,
below-ground, and total biomass of plants grown together. To address my second and
third hypotheses, the natural log response ratio (InRR) was calculated at every elevation
for each species: InRR = In (biomass with neighbors / b10mass without neighbors) (Suding et al.
2003). Values less than zero indicate competition, whereas values greater than zero
indicate facilitation. The InRR was calculated for total biomass (above- and below-
ground biomass) of each species within every organ row, and the treatment effects of
elevation and site were analyzed using a one-way t-test (null expectation zero).
Differences in InRR among species at each elevation and site were analyzed using an
ANOVA with planned comparisons.

Results

Variability in abiotic effects

Inundation duration increased significantly with decreasing elevation, and the effect

differed by site (Fig. 2-3). The bottom three elevations at Browns Island were inundated
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longer than at Rush Ranch (P < 0.004 for all comparisons), although no significant
difference was detected between sites at the top two elevations (P > 0.90 for both
comparisons). All tidal metrics calculated were greater at Rush Ranch than at Browns
Island (Table 2-1), resulting in an increased depth of 11 cm across all elevations. Pore-
water salinity was consistently higher at Rush Ranch and increased over time and only
varied significantly among elevations in September (Table 2-2; Fig. 2-4). Both pore-
water sulfide concentrations and Eh varied over time but there was no consistent or
significant trend (Table 2-2; Fig. 2-5). Combined, sulfide concentrations were higher at
Rush Ranch than Browns Island, but only marginally (P = 0.0663).

Abiotic effects on biomass

There was no significant relationship between the initial biomass and total harvested
biomass for S. americanus (data not shown; Browns Island: Fies = 1.25, P = 0.27; Rush
Ranch: Fi6s8 = 0.33, P = 0.57) or for S. acutus at Browns Island (F16s = 1.69, P = 0.20).
There was a significant relationship for S. acutus at Rush Ranch; however, initial
biomass explained very little variation in the final total biomass (Fi,67 = 4.56, P = 0.036;
R2 = 0.05).

When grown alone, S. americanus had a greater reduction in biomass with increased
inundation at both sites than S. acutus (Browns Island: Fg 70 = 7.37, P < 0.0001; Rush
Ranch: Fg 69 = 3.00, P = 0.03; Fig. 2-6a). Total biomass of S. acutus was markedly
greater than its congener at the bottom two elevations at both sites (Fig. 2-6a). Total
biomass of S. americanus at both sites decreased significantly with decreasing elevation
(P < 0.03) except that the top two and subsequent lower pair did not differ significantly
(P > 0.2). At Browns Island, total biomass of S. acutus at the lowest elevation was
significantly less than its biomass at all other elevations (P < 0.03) except for the
elevation above it (P = 0.7); otherwise, total biomass did not differ significantly across
elevations (P > 0.7). At Rush Ranch, S. acutus biomass did not differ across the top
three or bottom three elevations (P > 0.4) but biomass was greater in the top two
elevations than the bottom two (P < 0.02). Similar trends were detected with above- and
below-ground biomass (Table 2-3).

When grown together, S. americanus similarly had a greater reduction in biomass than
S. acutus with increased inundation at both sites (Browns Island: Fgs7 = 8.53, P <
0.0001; Rush Ranch: Fg g9 = 3.96, P = 0.006; Fig. 2-6b). Total biomass of S. americanus
was significantly lower than S. acutus at the lowest three elevations within each site (P <
0.001; Fig. 2-6b). At both sites, total biomass of S. americanus significantly declined
with decreasing elevation in that biomass at each elevation was greater than those below
(P < 0.02) but not different than the elevation directly above it (P > 0.2). Total biomass
of S. acutus did not differ significantly across elevations within either site (P > 0.2).
Similar trends were observed with above- and below-ground biomass (Table 2-3).

Biotic effects on biomass

The presence of neighbors reduced total biomass of both species, particularly at the
highest elevation, and biomass did not increase with the presence of neighbors at any
elevation across both sites (Table 2-4; Figs. 2-6b & 2-7). Schoenoplectus acutus was
more negatively affected by the presence of its congener at the highest elevation at
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Browns Island compared to any other site/elevation combination (Table 2-4; Fig. 2-7).
Although the InRR for S. acutus was significantly lower than zero (indicating a
reduction of biomass and competitive effects) over the top two elevations at Rush
Ranch, it did not perform worse than S. americanus at any elevation (Table 2-4; Fig. 2-
7). At Rush Ranch, the saltier site, the InRR for S. americanus was significantly lower
than zero for all but one elevation, and S. americanus was more negatively affected by
competition compared to its congener at the lowest three elevations (Table 2-4; Fig. 2-
7); biomass at the fresher site, Browns Island, was reduced only at the top two
elevations. The average InRR for S. americanus at the middle elevation at Rush Ranch
was influenced strongly by one replicate where plant performance was exceptionally
great in the presence of S. acutus compared to that when grown alone (Fig. 2-7). The
replicate was not found to be an outlier (Grubb’s test for outliers, G = 1.68 standard
deviations from the mean), but when it was removed from the analysis, a significant
negative effect of competition was detected (t. = -4.97, P = 0.04) and the species
performed worse than its congener (Fy; = 8.34; P = 0.02; Fig. 2-7).

Discussion

Influence of increased inundation on biomass

My first objective was to document individual plant responses to increased inundation
under field conditions and I detected different effects on the biomass of both species.
The trend was consistent across wetlands with different salinity regimes, although the
magnitude was greater at the saltier site. In support of my first hypothesis, S. acutus, the
low marsh species, was better adapted to increased inundation both with and without
neighbors and could tolerate growing at elevations 80 cm lower than its current average
marsh elevation. Biomass of the marsh plain species S. americanus, however, was
greatly reduced when grown with increased inundation and decreased even more when
grown with S. acutus; surviving plants had a 93% reduction in biomass (Fig. 2-6). These
findings are comparable to other studies that investigated the response S. americanus to
abiotic stress (Seliskar 1990, Broome et al. 1995, Kirwan and Guntenspergen 2012).
Despite a reduction in biomass at the lowest elevations, both species still displayed a
remarkably broad tolerance to increased average inundation up to eight hours in
duration (Fig. 2-3).

Importance of biotic interactions along stress gradients
I predicted that S. americanus would have greater biomass and competitive ability at
higher elevations due to its rhizome morphology and overall marsh dominance
(hypothesis 2), yet my data reflect this only with the most benign conditions in this
experiment: the top elevation at the fresher site (Figs. 2-6 & 2-7). Within the marsh
organs, S. americanus was grown at elevations that were lower than its current marsh
distribution; therefore, any consistent competitive advantage could have been
overwhelmed by negative inundation effects and salinity. At the two lowest organ
elevations at Browns Island, S. americanus had a reduction in biomass and this
appeared to be due to inundation stress and not competitive interactions (Fig. 2-7).
Greiner La Peyre et al. (2001) documented a similar pattern with fresh and brackish
marsh plants with increased salinity stress. At the saltier site, however, S. americanus
was competitively inferior to the stress tolerator, S. acutus, across most elevations (Fig.
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2-7), and the negative effect of competition was amplified with increased inundation.
This result is contrary to what I predicted (hypothesis 3) and an unexpected result:
facilitation, which has been shown to increase with increased abiotic stress in salt,
brackish, and freshwater marshes in other regions (Bertness and Callaway 1994,
Halpern et al. 2007, Luo et al. 2010, Guo and Pennings 2012), was not detected at any
elevation. Soil redox potential did not differ significantly across elevations (Fig. 2-5)
suggesting no detectible change in root soil aeration, which could have ameliorated
stress from soil anaerobicity (Hacker and Bertness 1999).

Implications with climate change

This experiment increased inundation depths between 0.2 and 0.9 m relative to current
average plant elevations, values that are within the lower range of 2100 predictions of
0.4 to 1.8 m increases (Vermeer and Rahmstorf 2009), and I documented significant
negative effects on plant biomass and community interactions. Wetlands will respond to
increases in sea level through increased sediment deposition (Morris et al. 2002) and
plant growth (Cherry et al. 2009, Langley et al. 2009) to maintain their elevation. These
factors, combined with upland migration, would reduce the negative impact of
increasing sea levels. However, there are limits to these responses (Kirwan et al. 2010),
and growing evidence suggests that a reduction in suspended sediment concentrations
(Ibanez et al. 1996, Cloern et al. 2011), reduced biomass due to individual plant
responses and competitive interactions (this study), and a limited amount of available
upland habitat (Stralberg et al. 2011) present a future of shifting plant dominance,
restriction in distribution, and reduction in wetland extent.

I documented a decrease in biomass in both species at the site with higher channel
water and pore-water salinities (Table 2-2; Fig. 2-4), and the difference in channel water
salinity was only 3 %o. I likely can attribute the reduced biomass to increased salinity
since other environmental factors did not differ significantly between sites (Table 2-2),
although I cannot say this conclusively due to the absence of replicate sites within each
salinity range in this estuary. Water salinity in the San Francisco Bay estuary, as with
other estuaries, is variable among years and with freshwater management practices and
concentrations are predicted to increase between 3 and 5 %o by 2100 (Cloern et al.
2011). Estuary-level decreases in biomass are likely to occur as a result of combined
increases in inundation and salinity, and previous work has documented decreases in
site-level biomass with increased salinity (Crain et al. 2004, Craft et al. 2008).

The implications for marsh sustainability and carbon sequestration under increased
inundation depths are significant. I observed a reduction in biomass for both species
examined, which implies a reduced carbon stock for below-ground sequestration and a
decrease in the organic matter contribution to marsh accretion. When species are
exposed to the stressor that is ultimate limiting at the edge of its range, differential
effects of biotic interactions might occur (Maestre et al. 2009, Guo and Pennings 2012).
I did not demonstrate shifts in the nature of biotic interactions in this study and found
that increased inundation, competition, and salinity compromised the ability of both
species, particularly the mid marsh species, to grow. My results point to the importance
of synergies between multiple stressors, which are predicted to increase in intensity with
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climate change, that can differentially influence the relative abiotic and competitive
forces on biomass as stresses increase.
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FIGURES FOR CHAPTER TWO

FIGURE 2-1. Study sites in the San Francisco Bay Estuary, California, USA.
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FIGURE 2-2. Example of an installed marsh organ before sediment and plants were
added.
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FIGURE 2-3. Average inundation time per tidal cycle at each elevation treatment at
Browns Island and Rush Ranch.
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FIGURE 2-4. Pore-water and channel water salinity at Rush Ranch (R) and Browns
Island (B) at each elevation treatment over time (error bars = +1 SE). Capital and lower-
case letters denote significant differences at P < 0.05 across elevations in September at
Rush Ranch and Browns Island, respectively.
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FIGURE 2-5. A) Sulfide concentrations and B) redox potential (Eh) at Browns Island and
Rush Ranch over time at each elevation treatment.
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FIGURE 2-6. Above-ground (AG), below-ground (BG), and total biomass of S. acutus
and S. americanus grown a) alone and b) together at different elevations at Browns
Island and Rush Ranch (N = 7; error bars = +1 SE; ANOVA summary statistics of are

=P < 0.0001, ** = P < 0.001, and * = P < 0.05; § = significant
differences between species for BG biomass only at P < 0.05).
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FIGURE 2-7. The In response ratio (InRR) for the effect of biotic interactions on total
biomass of S. acutus and S. americanus at A) Browns Island and B) Rush Ranch (error
bars = +1 SE). Individual values for each species are significantly different from o at (*)
P < 0.05. At (¥) P < 0.05 and (§) P < 0.08, species are significantly different from each
other at a given elevation where noted. The individual circle at an elevation of 1.05 m at
Rush Ranch denotes the average InRR value with the influential replicate included.
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TABLES FOR CHAPTER TWO

TABLE 2-1. Tidal metrics in meters NAVDS88 at the study sites (MHHW = mean higher
high water; MHW = mean high water; MLHW = mean lower high water; MTL = mean
tide level; MHLW = mean higher low water; MLW = mean low water; MLLW = mean
lower low water).

Site MHHW MHW MLHW MTL MHLW MLW MLLW
Browns Island 1.90 1.76 1.62 1.31 1.03 0.84 0.63
Rush Ranch 2.01 1.87 1.73 1.29 0.93 0.69 0.46

31



TABLE 2-2. Results of a two-way ANOVA (inundation duration) and rmANOVA (salinity,
sulfides, and Eh) on the effects of model (M), time (T), site (S), elevation (E), and their
interaction on abiotic measurements.

df F P
Inundation
duration
M 9, 2510 224.54 <0.0001
S 1, 2510 53.71 <0.0001
E 4, 2510 477.98 <0.0001
SxE 4, 2510 8.19 <0.0001
Salinity
T 4,52 408.71  <0.0001
S 4,52 70.84 <0.0001
E 16, 160 3.87 <0.0001
TxSxE 16,160 0.58 0.89
Sulfides
T 4, 56 4.73 0.002
S 4, 56 1.97 0.11
E 16, 172 0.99 0.47
TxSxE 16,172 0.58 0.63
Eh
T 4,9 5.65 0.015
S 4,9 13.95 0.0007
E 16, 28.1 1.23 0.31
TxSxE 16,28.1 2.10 0.04
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CHAPTER THREE

Accounting for non-photosynthetic vegetation in remote sensing based
estimates of carbon flux in wetlands

Monitoring productivity in coastal wetlands is important due to their high carbon
sequestration rates and potential role in climate change mitigation. | tested
agricultural- and forest-based methods for estimating the fraction of absorbed
photosynthetically active radiation (farar), @ key parameter for modeling gross
primary productivity (GPP), in a restored managed wetland with a dense litter layer
of non-photosynthetic vegetation, and | compared the difference in canopy light
transmission between a tidally influenced wetland and the managed wetland. The
presence of litter reduced correlations between spectral vegetation indices and f apar.
In the managed wetland, a two-band vegetation index incorporating simulated World
View-2 or Hyperion green and near infrared bands collected with a field
spectroradiometer significantly correlated with fapar only when measured above the
litter layer and not at the ground where measurements typically occur. Measures of
GPP in these systems are difficult to capture via remote sensing, and require an
investment of sampling effort, practical methods for measuring green leaf area, and
accounting for background effects of litter and water.

Introduction

Understanding carbon dynamics in ecosystems, specifically plant production and
carbon sequestration, is of increasing significance in light of accelerated climate change
(Crooks et al. 2010). In particular, monitoring carbon in freshwater wetlands (temperate
peatlands) is critical, as they generate among the greatest annual rates of net primary
productivity and soil carbon storage in natural ecosystems (Miller and Fujii 2010). With
the added importance of mitigating climate change and offsetting greenhouse gas
emissions, policy makers are focusing on these wetlands and opportunities for their
restoration, preservation, and avoiding their loss (Crooks et al. 2010), since they often
have been modified, degraded, and/or destroyed (Deverel and Rojstaczer 1996,
Torngvist et al. 2008). Managed restoration of subsided peatlands is considered one of
the more promising climate change mitigation activities for wetland ecosystems
(Emmett-Mattox et al. 2011). Remote sensing, which has been used often for long-term
monitoring of changes in wetland area (Byrd et al. 2004, Tuxen et al. 2007), vegetation
classification (Klemas 2011) and carbon stocks (Ravindranath and Ostwald 2007), might
help in addressing the need to estimate the productivity of these restored wetlands.

Extensive field measurements of plant biophysical characteristics such as live biomass,

leaf area index (LAI), and fraction of absorbed photosynthetically active radiation

(farar) have been collected in agricultural systems (Gitelson 2012, Peng and Gitelson

2012) and forests (Maselli et al. 2009, Penuelas et al. 2011, Wu et al. 2012). Whereas

such vegetation metrics can be measured in wetlands, linking these field measurements
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to remotely sensed data and generating estimates at regional scales are challenging due
to the small size, local spatial variability, and varying seasonal and annual patterns of
wetlands and wetland vegetation (Phinn 1998, Zhang et al. 1997). In addition,
background effects of senesced non-photosynthetic vegetation (litter), floating aquatic
vegetation, and inundation influence the relationship between spectral reflectance and
field measurements (Kearney et al. 2009, Numata 2012). Litter and soil have high
spectral signatures throughout the 400-2500 nanometer (nm) range and can dominate
the reflectance of canopies of low coverage; therefore, neglecting these background
effects can generate erroneous estimation of biophysical characteristics such as biomass
when using remotely sensed data (Numata 2012).

Integrating the effect of all physiologically active absorbing pigments present in a
vegetated canopy, farar is a key variable in light use efficiency (LUE) and other plant
productivity models (Middleton et al. 2012) that relates canopy structure to function
from the leaf to landscape scale (Asner et al. 1998). Accurate fapar measurements are
important to the performance of LUE models and estimates of gross primary
productivity (GPP) (Cook et al. 2009, Middleton et al. 2012) and need to be adjusted for
the proportion of green leaf area to total leaf area, which is complicated when there is a
significant amount of litter (Gitelson 2012, Middleton et al. 2012).

farar can be estimated from spectral indices such as the normalized difference
vegetation index (NDVI) or simple band ratios but it is affected by background effects
(Todd and Hoffer 1998). Different NDVI-type two band vegetation indices (TBVIs)
using band combinations other than red and near infra-red (NIR) may perform better. A
TBVI for bands i and j is calculated according to equation (1):

TBVI; = (Rj - Ri)/(Rj + Ry)
where R; and R; are the reflectance values of bands i and j

Findings within irrigated rice fields (Inoue et al. 2008) suggest highly linear
relationships with fapar using blue (410 and 420 nm) or green (550 nm) and near-
infrared (720 nm) wavelengths for an entire growing period, with no dependence on
phenology; however, rice fields have no standing litter and very distinct growth and
senescence periods, where the effect of litter is separated in time as opposed to natural
ecosystems.

The goal of this study was to test the application of agricultural- and forest-based
methods for estimating farar in a heterogeneous wetland environment with a significant
litter layer. My main questions were: 1) How does the presence of dense litter influence
light transmission through the canopy? 2) How does fapar in 2 managed restored
wetland compare to a tidally influenced wetland with a sparse litter layer? 3) How does
the presence of a dense litter layer influence the strength of correlation between fapar
and hyperspectral and multispectral indices calculated with field spectrometer
reflectance data? Answers to these questions will inform wetland managers of the
accuracies and errors associated with the use of remote sensing for wetland productivity
estimates.
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Methods

Site Description

Field measurements were collected at two sites in the Sacramento-San Joaquin River
Delta, San Francisco Bay Estuary, California, USA: Twitchell Island and Sherman Lake
(Fig. 3-1). Sampling at Twitchell Island (38° 6’ N, 121° 39’ W) was completed within a
6-ha experimental freshwater wetland system created in 1997 to examine hydrologic
controls on peat accretion and carbon sequestration rates (Miller et al. 2008, Miller and
Fujii 2010). A network of boardwalks was built within the wetland to reduce
disturbance. Twitchell Island is dominated by Schoenoplectus acutus and a variety of
Typha species and their hybrids. Schoenoplectus acutus is characterized by tall rounded
green stems growing one to four meters tall with an erectophile leaf angle distribution
that maximizes exposure to light and photosynthetic rates (Rocha and Goulden 2009).
Because the site is managed for maximizing peat accretion, a dense litter layer one to
two meters tall, composed primarily of dead S. acutus stems, has accumulated over
several years. In contrast, Sherman Lake (38° 02’ N, 121° 48’ W) is a freshwater tidal
wetland with a similar species composition along channel edges. The site was chosen to
test if litter densities were different in a tidally influenced site and how litter influences
light transmission through the canopy and associated fapar measurements.

Data Collection

Ground-based measurements

Twenty nine 1 m2 field plots were established across Twitchell Island within 1.5 m of a
boardwalk; 15 plots were established along tidal channel edges at Sherman Lake. Data
collection for fapar calculations occurred at Twitchell Island on 22 July and 30
September 2011 and at Sherman Lake on 23 October 2011. Measurements were
collected during a high tide at Sherman Lake to replicate water conditions at Twitchell
Island. A LI-COR LI-190 point quantum sensor and a LI-COR LI-191 line quantum
sensor were used to collect PARincoming (Qb) and PARansmitted (Qa), respectively, where
PAR is photosynthetically active radiation. At Twitchell Island, live stem height and
diameter were measured to calculate LAI and biomass using allometric equations
(Miller and Fujii 2010). Water depth was measured in all plots and ranged from 10 to
110 cm.

Within each plot, three canopy heights were established for measuring Qa.: at the top of
the litter layer (high), at the water surface (low), and at a mid-litter height halfway
between the first two heights (mid; Fig. 3-2). Starting at the water level and moving up,
the line quantum sensor was placed at each height and readings were averaged over a 15
second period. Qp was collected immediately after the last Q. measurement. The
percentage of live plant material relative to all plant material above and along the sensor
length at each elevation was visually estimated in order to calculate fapar for
photosynthetic material (Daubenmire 1959).

Given the three Q. measurements, fapar-high, farar-mid, and farar-low were calculated
and adjusted for the percent coverage of green vegetation (Vi) at each height according
to equation (2) (Wharton et al. 2009).
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fapar =[1-(Qa/ Qu)I*V1

Field spectroradiometer readings

Together with fapar measurements, canopy reflectance spectra were obtained at
Twitchell Island over each plot near midday using an ASD Inc. FieldSpec Pro FR
portable spectroradiometer. Spectral readings were obtained at every 1.4 nm over 350—
1000 nm and 2 nm over 1000—2500 nm using a 25° field of view foreoptics. Readings
were taken at nadir 4 m above the vegetation canopy using a 3 m optical fiber cable.
Spectral reflectance values were derived as the ratio of reflected radiance to incident
radiance estimated from the reflected radiance from a calibrated white reference, which
was collected every 10 minutes. At each sample location, ten reflectance measurements,
each an average of 12 spectra, were collected and then averaged using ViewSpec™ Pro
6.1.10 (Analytical Spectral Devices, Inc, Boulder, CO, USA). Field spectroradiometer
data could not be collected at Sherman Lake due to difficult site access.

To compare the effectiveness of broadband vs. narrowband indices in predicting fapar, I
simulated eight Digital Globe World View-2 (WV-2) bands and 164 hyperspectral
Hyperion bands with the field spectroradiometer data from Twitchell Island. WV-2
bands include a coastal blue, blue, green, yellow, red, red edge, and two near infrared
bands and have 2 m spatial resolution. Hyperion is a hyperspectral satellite sensor on
the National Aeronautics and Space Administration Earth Observing One (NASA EO-1)
with 30 m resolution and 242 bands each 10 nm-wide. The simulated Hyperion bands
covered the ranges 422—-1300 nm, 1443-1795 nm, and 1998—-2400 nm. Water
absorption regions of the spectrum with high noise were removed from analysis. For
both simulated datasets, I calculated all possible TBVI using all band combinations
(Thenkabail et al. 2004) for a total of 28 WV-2 and 13 366 Hyperion indices.

Data Analysis

Using SAS 9.2 (SAS Inc 2009), I ran a two-way analysis of variance with planned
comparisons using arc-sine square-root transformed data to investigate how site, month
of measurement at Twitchell, and sensor position within the litter layer influence light
transmission through the canopy and fapar. All post-hoc comparisons were made using
Tukey’s least square means test. Using Stata (StataCorp LP 1985-2009), I ran pairwise
correlations to calculate the correlation (r) between all TBVIs for both simulated WV-2
and Hyperion bands and the three fapar values: fapar-high, fapar-mid, and fapar-low.
Coefficients of determination (R2) were calculated for the highest TBVI-fapar
correlations. Linear and second order exponential fits were tested. For band
Combinations with the highest correlation at Twitchell Island, I ran multiple linear
regressions with water depth and plant biomass as covariates to determine if the
strength of the TBVI-fapar relationship improved.
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Results

Light transmission, fapar and NPV

The proportion of light transmitted through the canopy dropped significantly from
above the litter to below the litter at Twitchell Island (Fig. 3-3a), and as a result, faprar
varied significantly by sensor position, site, and month of measurement (Fs i35 = 34.35, p
< 0.0001; Fig. 3-3b). farar measurements differed significantly with sensor height
(F2,135 = 92.88, p < 0.0001) in that measurements made above the litter layer were the
lowest and each subsequent measurement was greater than the one above (p < 0.04 for
all comparisons).

Additionally, farar collected at Twitchell Island in July and Sherman Lake in October
were lower than those collected in October on Twitchell Island (p < 0.0005 for both
comparisons) but were not different from each other (p = 0.8). For fapar-high, values
were lowest at Twitchell Island in July (p < 0.009 for both comparisons) and the other
two sites did not differ significantly (p = 0.27). For faprar-mid, values were lower at
Sherman Lake than at Twitchell Island in October (p = 0.04) but not different from
measurements taken in July at Twitchell Island (p = 0.33). For fapar-low, values were
the lowest at Sherman Lake (p < 0.0001) and did not differ between months at Twitchell
Island (p = 0.98).

NPV and simulated remote sensing indices.

Among the 28 TBVIs generated from simulated WV-2 bands, the index best correlated
with fapar-high was ((NIR2) — (green))/((NIR2) + (green)), where NIR2 is the longer of
the two WV-2 near infra-red bands, using an exponential fit (F; 5. = 42.09, p < 0.0001;
R2 = 0.45; Fig. 434). Relationships between TBVIs and fapar-mid and -low were
significantly lower: 0.12 (Fy5: = 7.02, p = 0.0107) and 0.11 (Fy52 = 6.22, p = 0.0158),
respectively.

Among the 13 366 TBVIs generated from simulated Hyperion bands, indices of high
correlation with fapar were generally based on band 1 ranging from 600—700 nm and
band 2 ranging from 1050—1300 nm, though other band combinations also produced
high correlations (Fig. 3-5 a-c). The index best correlated with fapar-high included
bands Rii4 and Rs39, within the NIR and green wavelengths, respectively, with an R2 of
0.50 using an exponential fit (F; 5. = 51.03, p < 0.0001). Correlations between TBVIs
and fapar-mid and fapar-low were lower. The best R2 for fapar-mid was 0.18 (Fy, 52 =
12.05, p = 0.001) based on an index using bands Rii34 and Rii094 and the best R2 for
farar-low was 0.17 (Fy, 53 = 10.98, p = 0.002) based on bands R34 and Rioe4. Including
water depth as a covariate in fapar-high analyses, model results did not improve for
either WV-2 (F.5. = 19.66, p < 0.0001; R2 = 0.44) or Hyperion band combinations (F2 o
= 24.12, p < 0.0001; R2 = 0.49). When controlling for live biomass, the relationship
between farar-high and Hyperion bands improved by 2% (F2,:15 = 7.95, p < 0.004; R2 =
0.51).
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Discussion and Conclusions

Coastal wetland systems are often spatially heterogeneous across scales in time and
space. Variability in green leaf area and litter occurs horizontally and vertically at the
stem, plot, and wetland scale. Consequently, measures of plant productivity and
available light in these wetland systems are difficult to model or capture via remote
sensing as contrasted to a regularly distributed agricultural or commercial forest system.
My primary objectives were to document how a dense litter layer affected the ability to
measure fapar and predict it using simulated remotely-sensed data. I found that the
litter layer negatively affected the ability to relate a TBVI using NIR and green bands
with fapar and that significant correlations with fapar occurred only when measured
above the litter layer.

At Twitchell Island, litter either absorbed or reflected incoming PAR, and blocked the
transmission of most light to the lower portions of S. acutus stems. Use of low Q, values
collected below the litter produced high fapar values that were not well correlated with
TBVIs (Figs. 3-4 & 3-5). Similar results were found in a fapar grassland study (Di Bella
et al. 2004), where Q. decreased significantly below the litter and the relationship
between NDVI and senescent cover fraction was more variable with intermediate cover
fractions of senescent leaves. PAR absorption by litter, therefore, needs to be accounted
for to prevent overestimates in primary production (Asner et al. 1998). Due to this
potential source of error, and because little light was available for photosynthesis within
the litter layer at Twitchell Island, I recommend measuring Q. above litter when a
wetland has accumulated a dense layer.

Differences in canopy structure between a managed and a tidal freshwater wetland were
revealed in my comparison between Twitchell Island and Sherman Lake. Sherman Lake
had substantially less litter build-up in the areas sampled than at Twitchell Island and as
such, faprar was significantly lower than fapar-high measured Twitchell Island in the fall.
With less litter to inhibit light transmission at Sherman Lake, available PAR reached the
base of the canopy. These results suggest that when litter levels are minimal,
measurement of Q, at the level of the ground or water surface would be suitable for
farar estimation in wetlands.

I calculated fapar using a two-flux fapar estimator, which is the most widely used time-
and cost-effective method, but it can be influenced by illumination conditions, foliage
color and background brightness (Widlowski 2010). The variability in these
characteristics among plots, plus variability in water depth (Kearney et al. 2009), likely
contributed to the moderate relationship found between TBVIs and fapar, although I did
not find that water depth significantly affected relationships with TBVI. The presence of
standing litter also can have complex effects on spectral indices because litter spectral
reflectance and transmittance properties vary with decomposition processes (van
Leeuwen and Huete 1996).

As T aimed to develop practical methods for estimating fapar in wetlands, I visually
estimated the green vegetation fraction within the canopy to modify my fapar
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calculations, and this potentially was the greatest source of error. For more precise
measurements, green leaf and total leaf area should be measured to quantify the fraction
of absorbed light that is used for photosynthesis (Gitelson 2012). However, LAI is
difficult to quantify accurately due to spatial and temporal variability in leaf qualities
(this study, data not shown; Weiss et al. 2004). Direct measurement such as destructive
sampling is time consuming while indirect optical methods such as the use of
commercial optical instruments have been found to underestimate (Guo and Si 2008) or
overestimate (Schile, unpublished data) LAI due to the complexity of natural canopy
architecture. My results have implications for successful large-scale accurate
quantification of plant productivity in managed restored wetlands. Vegetated indices
derived from simulated hyperspectral Hyperion bands performed only slightly better at
predicting fapar than indices derived from simulated broadband WV-2 bands (R2 = 0.50
vs. R2 = 0.45). These results suggest that the WV-2 imagery may be suitable and
practical for mapping fapar, given the challenge of obtaining hyperspectral imagery. In
addition, the high spatial resolution of WV-2 (2 m) compared to that of Hyperion (30 m)
would enable greater discrimination of green and standing dead vegetation cover in
these heterogeneous sites.

Coastal vegetated ecosystems including the wetlands described in this study will
potentially play a larger role in future climate change mitigation due to their large
carbon sequestration potential (Crooks et al. 2010, Pendleton et al. 2012). Accurate
landscape scale estimates of fapar will require a greater investment in sampling effort,
practical methods for quantifying green leaf area, and quantifying the effects of litter
and water inundation on vegetation indices, which will aid in the development of robust
indices that can be applied to other wetland sites and across larger extents for estimates
of productivity and carbon storage potential.
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FIGURES FOR CHAPTER THREE

FIGURE 3-1. Sherman Lake and Twitchell Island in the Sacramento-San Joaquin River
Delta, California, USA.

122°30'0"W  122°0'0"W
1 1

R . C :"'-hq
]
38°0'0"N- -
: 7 Twitchell
. : 1
Island
arsoond - B -

" 5
3 A
h ('--._.}.)":“ .
= _ & 0 25 5 km™
O ‘\l A |

42



FIGURE 3-2. Diagram of wetland vegetation canopy cross-section and method for
measuring fapar-high, fapar-mid, and fapar-low.
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FIGURE 3-3. (a). Available PAR within the plant canopy ( (Qa/Qb)*V1) from above the
litter layer to below. (b). fapar measured above (fapar-high), in the middle of (fapar-mid),
and below (fapar-low) the litter layer at Twitchell Island in July and October and at
Sherman Lake in October.
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FIGURE 3-4. Relationship between log-transformed fapar and a two-band vegetation
index based on NIR2 and green bands (TBVInirz,green) Using simulated World View-2
data. R2 for fapar-high, fapar-mid, and fapar-low were 0.45, 0.12 and 0.11, respectively.
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FIGURE 3-5. Contour plots of the correlation between (@) fapar-high, (b) fapar-mid, and
(c) farar-low values and two band vegetation indices (TBVI) using all combinations of

164 Hyperion bands simulated using spectroradiometer data collected at Twitchell

Island. Dashed lines intersect at band combinations with the greatest r.
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CHAPTER FOUR

Modeling tidal wetland distribution with sea-level rise: evaluating the role
of vegetation in marsh resiliency

Tidal wetlands maintain elevation with sea-level rise through feedbacks between
mineral and organic matter inputs. With decreased plant production under increased
inundation, projected reductions in suspended sediment concentrations, and little
available upland habitat for marsh migration, multiple uncertainties exist about the
resiliency of tidal wetlands with projected sea-level rise. To examine wetland
resiliency, we used a rich plant productivity data set and measurements of physical
properties to calibrate the Marsh Equilibrium Model (MEM), a mechanistic elevation-
based soil cohort model, at four tidal wetland sites along a salinity gradient in the San
Francisco Bay Estuary. Two of the wetlands have available adjacent upland habitat,
and two are islands. Varying century sea-level rise rates (24, 52, 100, 165, and 180
cm) and suspended sediment concentrations (100%, 50%, and 25% of estimated
current concentrations), | simulated marsh accretion across vegetated elevations for
100 years and applied the results to high resolution digital elevation models of each
wetland to quantify and map changes in habitat distributions. At low levels of sea-
level rise and mid and high sediment levels, all wetlands maintained vegetated
elevations and shifted towards mid/high marsh elevations. As century sea-level rise
was increased to 100 cm and above, wetlands began to lose elevation relative to sea
level and shift to low marsh-dominated elevations, and mid/high marsh habitats were
found only in former upland habitats. At the highest sea-level rise rate and lowest
suspended sediment concentration, wetlands drowned, and the only vegetated areas
occurred in former upland habitat. Consequently, the two island sites were less
resilient than those with upland habitat, regardless of plant productivity. Future
management decisions should emphasize access to upland habitat as rates of sea-level
rise increase.

INTRODUCTION

Sea levels are projected to rise by 20 to 180 cm over the next century (IPCC 2007,
Rahmstorf 2007, Vermeer and Rahmstorf 2009, Grinsted et al. 2010, National Research
Council 2012) and the resiliency of tidal wetlands in the face of this sea level rise is
uncertain in many respects. Historically, tidal wetlands have responded to changes in
sea level through upland migration (Warren and Niering 1993, Donnelly and Bertness
2001, Elsey-Quirk et al. 2011) and via accretion through feedbacks with increased
mineral (Krone 1987, Reed 1995, Marion et al. 2009) and organic matter input (Morris
and Haskin 1990, Turner et al. 2000, Morris et al. 2002, Mudd et al. 2010). However,
with current and projected reductions in the suspended sediment concentrations that
drive mineral accretion (Syvitski et al. 2005, Cloern et al. 2011, Schoellhamer 2011) and
decreased plant productivity with increased inundation (Kirwan and Guntenspergen
2012, Voss et al. 2012), it is uncertain whether wetlands can maintain vegetated
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elevations with sea-level rise. Large-scale development and land-use change focused in
coastal areas have resulted in the destruction, degradation, and reduction of current
tidal wetlands, which often are now surrounded completely by levees or waterways
(Torngvist et al. 2008, Bromberg Gedan et al. 2009, Syvitski et al. 2009, Deverel and
Leighton 2010). Furthermore, reduction or obstruction of the adjacent upland habitat
has limited opportunities for marsh migration, likely reducing wetland resiliency with
projected sea-level rise.

Many modeling efforts have sought to examine how tidal wetland elevations respond to
changes in inundation, suspended sediment concentrations, and organic contribution
due to predicted sea-level rise (for detailed model reviews see (Rybczyk and Callaway
2009, Fagherazzi et al. 2012), and more recent work has examined the impacts of
increased temperature (Kirwan and Mudd 2012) and effects on carbon sequestration
potential (Morris et al. 2012). Among the array of wetland accretion models, there are
trade-offs between obtaining detailed local-scale results based on interacting inorganic
and organic material inputs and modeling landscape-level responses of wetlands,
including upland migration, at a coarser scale (Craft et al. 2009). Some modeling efforts
have utilized a hybrid approach, merging results from mechanistic elevation-based
models with digital elevation models (DEM) to examine projections at site and
landscape levels (Stralberg et al. 2011, Rogers et al. 2012). However, these hybrid
approaches thus far have only mechanistically modeled the mineral contribution to
marsh accretion and have not incorporated the processes of and feedbacks with the
organic contribution to accretion. Multiple studies have identified the importance of
below-ground biomass contribution to vertical accretion (McKee et al. 2007),
sustainability of marsh soils (Nyman et al. 1993, Cahoon et al. 2003, Turner et al. 2004),
and resiliency to increases in sea-level rise (Cahoon et al. 2006, Kirwan and Murray
2007). Therefore, it is crucial to integrate these feedbacks of vegetation with
inundation, elevation, and sediment supply into a hybrid modeling approach (Morris et
al. 2002, Mudd et al. 2010).

Across an estuarine landscape, the contribution of mineral inputs and organic matter to
accretion can vary depending on tidal wetland location. In salt marsh communities
where plant productivity is low, accretion is dominated by mineral processes because of
increased available sediment input due to greater tidal and hydrodynamic energy
(Schoellhamer 2011, Callaway et al. 2012). As the freshwater influence increases, plant
productivity increases and accretion is dominated more by peat accumulation (Drexler
et al. 2009). As a result of these differing influences on wetland accretion, a model that
incorporates the dynamic and shifting importance of plant productivity and suspended
sediment concentrations across an estuarine salinity gradient would more accurately
represent local marsh dynamics. In this study, I incorporated a rich dataset of above-
and below-ground plant productivity and physical characteristics across tidal wetlands
spanning a salinity gradient into a mechanistic elevation-based model, the Marsh
Equilibrium Model version 3.76 (MEM; Morris and Bowden 1986, Morris et al. 2002,
Morris et al. 2012). Model results were then applied to a high resolution LiDAR-based
DEM to project changes in habitat type and wetland extent, including upland migration,
under a variety of sea-level rise and suspended sediment concentration scenarios. The
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MEM incorporates a rich history of field experiments and models that demonstrate that
marsh elevation influences plant productivity that in turn has a positive feedback on the
rate of accretion (Morris and Bowden 1986, Morris and Haskin 1990, Morris et al. 2002,
Kirwan et al. 2009, Mudd et al. 2009, Kirwan et al. 2010, Mudd et al. 2010, Morris et al.
2012) and builds upon a soil cohort model approach (Morris and Bowden 1986), which
lends itself to calibration against field-based vertical and mass-based accumulation rates
using 37Cs and 21°Pb dating techniques (Callaway et al. 2012). Combing a simple
spreadsheet-based model interface with a fast processing time, the MEM is accessible
for a broad array of end-users. Additionally, the MEM can be run using upland
elevations that are not currently inundated to examine the timing and extent of marsh
migration with a given rate of sea-level rise.

The hybrid modeling approach used in this study builds upon the work of Stralberg et al.
(2011), which applied a one-dimension accretion model, Marshg8 (Krone 1987,
Williams and Orr 2002, Orr et al. 2003), and a regionally applied fixed organic
accretion rate to a DEM of tidal wetlands of San Francisco Bay Estuary, California, USA
to assess tidal wetland sensitivity to changes in sea level and suspended sediment
concentration. With MEM, I was able to incorporate a more complete, realistic, and
integrated wetland accretion modeling approach to examine the sensitivity of different
tidal marshes to changes in rates of sea-level rise and suspended sediment availability
while incorporating the dynamic inputs and feedbacks of plant productivity. The key
objectives of this study were to: 1) calibrate the MEM for four tidal wetlands along a
salinity gradient in the San Francisco Bay Estuary that differ in plant productivity,
sediment availability, and landscape setting (island versus unobstructed adjacent
upland habitat), 2) examine the importance of adjacent upland habitat on wetland
resiliency with sea-level rise, and 3) examine wetland resiliency to changes in rates of
sea-level rise and reduction in suspended sediment concentrations over 100 years.

METHODS

Study area

I calibrated MEM at four historic tidal wetlands in the San Francisco Bay Estuary
(hereafter called Estuary), California, USA that span a salinity gradient from salt to
nearly fresh water (Table 4-1, Fig. 4-1). China Camp State Park (hereafter called China
Camp) is a salt marsh located along San Pablo Bay. Coon Island is a high salinity
brackish marsh located along the Napa River. Rush Ranch Open Space Preserve
(hereafter called Rush Ranch) is a low salinity brackish marsh. Browns Island is an
oligohaline marsh at the confluence of the Sacramento and San Joaquin rivers. Detailed
information on plant species distribution and abundance at these sites can be found in
Vasey et al. (2012). Both Coon Island and Browns Island are islands with no upland
transition and have a greater area of low marsh coverage compared to Rush Ranch and
China Camp (Table 4-2; Fig. 4-1); however, both have small upland areas within the site
and Coon Island is partially surrounded by an earthen levee. Low marsh habitat at Rush
Ranch and China Camp lines channel and bay edges (Table 4-2; Fig. 4-1). All sites have

49



semi-diurnal tides and are characterized by a Mediterranean-type climate with cool wet
winters and dry warm summers.

Marsh Equilibrium Model

The MEM incorporates both inorganic and organic inputs, described below, to model
marsh accretion at a given elevation over a hundred year time period (Morris et al.
2012). The MEM was calibrated initially for a marsh, North Inlet, located along the
Atlantic Ocean that is dominated by Spartina alterniflora. This study is the first to
calibrate MEM for Mediterranean-type marshes using sites along a salinity gradient.
Physical inputs for the model include the initial rate of sea-level rise, mean sea level
(MSL), mean higher high water (MHHW), suspended sediment concentration, and
starting marsh elevation. The user also specifies an expected future sea level and the
model simulates the acceleration in rate over one century (National Research Council
1987). Biotic inputs include the minimum and maximum elevation for marsh
vegetation, the peak above-ground biomass and the elevation at which it occurs, root to
shoot ratio, organic matter decay rate, percent of refractory carbon, below-ground
turnover rate, and maximum rooting depth of 95% of the roots. The model assumes a
parabolic curve for plant biomass along an elevation and inundation gradient (Morris et
al. 2002, Kirwan and Guntenspergen 2012). Two additional inputs, the trapping
coefficient by which plants trap inorganic material and the sediment settling velocity,
were assumed to hold constant across the marshes and were not changed from the
initial model parameterization for North Inlet. The relationship between bulk density
and percent organic matter according to Callaway et al. (2012) was used in lieu of the
initial MEM relationship.

Model calibration

Five rates of sea-level rise were chosen that spanned a spectrum of predicted rates; sea
level increased according to NRC (1987). I chose 24 cm/century as the baseline level to
determine how well the model worked at simulating historic marsh conditions over the
last century. Rates of 52 and 165 cm/century were consistent with those used in
Stralberg et al. (2011). A rate of 100 cm/century is consistent with projections by the
National Research Council (2012), and 180 cm/century as the maximum published
projection of sea-level rise (Vermeer and Rahmstorf 2009).

Field data were collected at each site in order to calibrate MEM (Table 4-3). For a
minimum of two years, water depth was collected within a marsh channel using a
pressure transducer and mean higher high water and MSL were calculated relative to
cm NAVDS88. Since no published data on suspended sediment concentrations within
the wetlands were available, suspended sediment concentrations differed depending on
location in the Estuary following Stralberg et al. (2011). At each site, I used three
estimates representing what I considered to be high (current), middle (50% current),
and low (25% current) concentrations. To be conservative in my estimates, I chose the
current values to be the lowest reported in Stralberg et al. (2011; Table 4-3), since
availability of suspended sediment within the Estuary has decreased since the large
input of sediment from placer mining in Sierra Nevada mountain range in the 1800s
(Wright and Schoellhamer 2004) and is projected to continue to decrease (Cloern et al.
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2011, Schoellhamer 2011). Elevation surveys relative to NAVD88 were conducted using
a real time kinematic (RTK) GPS unit (horizontal and vertical accuracy of approximately
two and three centimeters, respectively) to document the lowest and highest elevations
used by wetland plants and to calibrate digital elevation models.

Above-ground standing biomass representative of all vegetation types was collected at
all sites on multiple occasions between 2004 and 2011 (Schile et al. 2011, Parker et al.
2012; Schile, Parker, and Callaway unpublished data; Figs. 4-2 & 4-3). Maximum
biomass was measured at the end of the growing season as a surrogate for annual
productivity, and surveys were targeted specifically to document productivity along
elevation gradients. Data from a field experiment examining the productivity of two
dominant plant species, Schoenoplectus acutus and Schoenoplectus americanus, at low
marsh and mudflat elevations were also incorporated (Schile, Callaway, and Kelly, in
review). I documented a parabolic relationship between end of season plant biomass
and elevation (Fig. 4-2), which fits the principle biotic assumption of MEM (Morris et al.
2002, Morris 2007, Morris et al. 2012). Based on the relationship between elevation
and biomass and site knowledge, the elevation of peak biomass was determined. At
Coon Island where elevation data were not collected in tandem with biomass
measurements, a histogram of biomass by plant species was created and the peak
biomass elevation was chosen based on the species with the highest biomass and site
knowledge of where the species occurs (Fig. 4-3). Below-ground biomass was collected
between 2009 and 2011 at all sites (Schile, Callaway, and Kelly, in review; Parker,
Callaway, and Schile unpublished data), and the depth of the rooting layer and root to
shoot ratios were calculated. The organic decay rate and fraction of refractory carbon
were not directly measured but were informed by percent organic carbon data at 40-50
cm soil depth from Callaway et al (2012), the original MEM calibration for S.
alterniflora marshes, and a litter decomposition study conducted over three years
(Parker and Callaway unpublished data). The below-ground turnover rate (x yr) did
not vary from the S. alterniflora MEM calibration.

I calibrated the model at each site using a sea-level rise rate of 24 cm/century, which
represents a hindcast of historic conditions over the last 100 years, and the current
suspended sediment concentrations to test how accurately the MEM replicates wetland
accretion rates as calculated by Callaway et al. (2012). I compared the model-generated
average vertical accretion rates over 100 years to the accretion rates calculated using
210Ph dating of six soil cores collected across elevations at each wetland. The MEM was
run at the elevations where soil cores were taken. Model-generated sediment depth
profiles of bulk density and percent organic matter were also compared to depth profiles
generated from the cores.

Model runs

I ran the model using all five rates of sea-level rise and three suspended sediment
concentration estimates, for a total of 15 scenarios per site. The MEM was run at
elevations between 0 and 380 cm NAVDS88 in 10 cm increments. The top elevation of
380 cm was chosen since it was the maximum upland elevation that would be inundated
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by a 180 cm increase in sea level. Results were interpolated evenly for every centimeter
of elevation in between each model run.

Spatial Analyses

A DEM for each site was created using the 2009-2011 California Coastal Conservancy’s
Coastal LiDAR Project data (Department of Commerce et al. 2012), which is a more
recent DEM that what was used in Stralberg et al (2011). The DEM was generated at a 1
m?2 spatial resolution with the vertical datum NAVD88 GEOID09 model for orthometric
heights. To account for the effects of vegetation on DEMs created using LiDAR data
(Hladik and Alber 2012), elevations were adjusted between 0 and 70 cm lower when
necessary based on comparison with comprehensive RTK elevation surveys across all
sites, vegetation maps (Tuxen et al. 2011), and knowledge of vegetation distribution,
height of live vegetation, and height of dense standing dead vegetation. Elevations were
clipped to 390 cm NAVD and lower to restrict the DEM to elevations relevant for the
analysis, since both China Camp and Rush Ranch have large areas of unobstructed
adjacent upland habitat that extends well above marsh elevations (Table 4-2). All values
were rounded up to the nearest whole cm. A mask was created in ArcMap 10 (ESRI Inc.
2010) to remove tidal channels from the analysis since MEM works most accurately
when applied to areas with laminar, not turbulent, flow (Morris et al. 2012).

For each site beginning with the initial elevation at time zero, modeled elevations were
compiled for runs that were 20, 50, 70 and 100 years into the future, corresponding to
years 2010, 2030, 2060, 2080, and 2110, respectively. Using ArcMap Model Builder
(ESRI Inc. 2010), modeled elevations from each time period were applied to the DEM
and then transformed relative to the corresponding MSL using the equation: (marsh
elevation — MSL) / (MHHW — MSL). I assumed that there was no change in the
relationship between MSL. and MHHW over time. In order to classify the DEM into
marsh habitat type, I determined cut-off elevations for transitions between mudflat, low
marsh, mid/high marsh, and upland habitat based on elevation surveys of current
distributions of each habitat type relative to MSL (Table 4-4; see Fig. 4-1 for starting
conditions). I chose not to differentiate between mid and high marsh habitat since it
does not always correspond with elevation alone. The area of each habitat type was
calculated for every model scenario and time period.

At the site level, I evaluated the stability of the distributions of current wetland habitats
over time using the 24 cm/century sea-level rise and current suspended sediment
concentrations as a way of assessing model calibration/accuracy at that spatial scale. I
assumed that marsh conditions have been relatively stable over the last 100 years and,
as such, that the model results will show little change in habitat distribution with the 24
cm/century rise.

RESULTS

Under the mid and high suspended sediment concentrations, all marshes responded
similarly under the two lower (24 and 52 cm/century) and two higher (165 and 180
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cm/century) SLR scenarios, respectively, and the 100 cm/century SLR scenario had
intermediate results (Figs. 4 & 5). As such, I chose to map changes in the spatial
distribution of marsh habitats after 100 years for the 52, 100, and 180 cm/century SLR
for the low and high suspended sediment concentrations (Figs. 4-6 — 4-9).

Model Calibration

Model-generated output for the 24 cm/century sea-level rise scenario simulating
historic conditions were consistently within the range of soil core-based accretion rates
and bulk density, and percent organic matter depth profiles data (Table 4-5 & Fig. 4-10).
Additionally, marsh habitat distributions changed little over 100 years with both the
mid and high suspended sediment concentrations (Fig 4-11).

Mid and High Suspended Sediment Concentrations

With increasing rates of SLR, there was a trend of conversion from mid/high marsh
elevations to low marsh elevations across all sites, and the timing of the conversion
occurred sooner as SLR increased (Figs. 4-4 & 4-5). In the 52 cm/century SLR scenario,
low marsh elevations tended to accrete to mid/high marsh elevations, covering between
74 and 99% of the marsh after 100 years (Figs. 4-4 & 4-5). With 100 cm/century SLR,
elevations at all sites were indicative of low marsh habitat, covering roughly 90% after
100 years (Figs. 4-4 & 4-5).

Under the 165 and 180 cm/century SLR scenarios, all marshes showed signs of losing
elevation relative to sea level, most significantly in the island sites that had lower initial
starting elevations. At China Camp and Rush Ranch, the dominant marsh elevations
shifted from mid/high marsh to low marsh conditions after 70 years (Figs. 4-4a & 4-5a)
whereas elevations at the two island sites, Coon and Browns Islands, shifted after 50
years (Figs. 4-4b & 4-5b). After 100 years, Browns Island showed marked signs of
drowning, as evidenced by the predominance of unvegetated habitat (97%) at the mid
suspended sediment concentration (Figs. 4-5b & 4-9e). Less than 1% of mid/high marsh
elevations remained at the two island sites after 100 years (Figs. 4-4b, 4-5b, 4-7e, & 4-
9e) and the only remaining mid/high marsh habitat at China Camp and Rush Ranch
were in areas that were formerly upland habitat (Figs. 4-6e & 4-8e).

Low Suspended Sediment Concentrations

Under the lowest suspended sediment concentrations, differences among sites were
more exaggerated. Under the 24 and 52 cm/century SLR scenarios, China Camp
exhibited little response to SLR and resembled current marsh conditions even after 100
years (Figs. 4-1 & 4-6b). Low marsh elevations dominated after 70 years under the 100
cm/century SLR scenario and after 50 years under both the 165 and 180 cm/century
scenarios. Eighty eight percent of China Camp was at elevations indicative of
unvegetated habitat with 180 cm of SLR after 100 years (Figs. 4-4a & 4-6f); the only
vegetated areas occurred in formerly upland habitat (Fig. 4-6f). Coon Island began to
shift to a low marsh-dominated system after 70 years in the 52 cm/century SLR scenario
and after 50 years in the 100 cm/century scenario (Fig. 4-4b). Marsh drowning began
to occur after 100 years with the 100 cm SLR scenario (Fig. 4-7d), and was dominated
by unvegetated elevations after 70 years at the higher two SLR rates (Fig. 4-4b); only a
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small strip of vegetation remained along a levee after 100 years with 18ocm SLR (Fig. 4-

76).

At the two lower salinity sites that had overall higher plant productivity and lower
suspended sediment concentrations, wetlands failed to keep pace with sea-level rise as
rates increased and began to drown. Rush Ranch marsh habitat changed little over 100
years under the 52 cm/century SLR scenario (Figs. 4-5a & 4-8b). After 100 years for the
100 cm/century sea-level rise rate, the marsh was dominated by low marsh elevations
and mid/high marsh habitat was located only in former upland areas (Figs. 4-5a & 4-
8d). Low marsh dominance occurred after 70 years under the highest two SLR
scenarios and marked wetland drowning occurred after 100 years; the majority of
vegetated habitat occurred in former upland areas (Figs. 4-5a & 4-7f). Browns Island
low marsh elevations increased to 90% cover after 100 years in the 52 cm SLR scenario
(Figs. 4-5b & 4-8b) and dominated the landscape after 70 years under the 100
cm/century SLR scenario (Fig. 4b). Less than 1% of mid/high marsh habitat remained
after 50 years in the 165 and 180 cm/century scenarios (Fig. 4-5b) and 98% of Browns
Island was unvegetated after 100 years with a 180 cm SLR (Fig. 4-9f).

DISCUSSION

Effects of plant productivity on marsh resiliency

Across four sites that differ in plant productivity, salinity, and suspended sediment
concentrations, I was able to successfully calibrate MEM and run a variety of sea-level
rise and suspended sediment concentration scenarios to assess marsh resiliency over
100 years. I demonstrated a parabolic relationship with productivity along an elevation
gradient, which is a key assumption for successful calibration of MEM (Morris et al.
2002). In this study, wetland resiliency to increased sea-level rise after 100 years was
greater when both the organic and mineral contributions to accretion were
mechanistically modeled compared to a study where only the mineral contributions
were mechanistically modeled (see Stralberg et al. 2011 and http://data.prbo.org/apps
/stbslr/ for maps of results). Although it is difficult to make direct model comparisons
between Stralberg et al. (2011) and this current study to explore model differences due
to use of different DEMs, I can examine the influence and importance of plant
productivity in accretion with results from MEM. Using a suspended sediment
concentration of 25 mg/L, a concentration that was modeled across all sites, and a 180
cm/century of SLR, the brackish wetlands with the higher productivity largely
maintained vegetated elevations on the marsh plain after 100 years (Figs. 4-9f & 4-12)
compared to the salt marsh sites with lower plant productivity (Figs 4-6f & 4-7f), which
had drowned after 100 years.

In order to apply MEM successfully across an estuary, data on plant productivity need to
be collected at multiple marsh locations to account for effects of salinity on production.
Often, this is a labor intensive practice, particularly for measurements of below-ground
biomass, but it is crucial in order to more accurately model marsh accretion (Kirwan
and Murray 2007, Mudd et al. 2010), particularly in freshwater sites with low soil bulk
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density (Kirwan and Mudd 2012). Intensive field data collection and model calibration
at a few sites that are characteristic of a suite of wetlands within that salinity range, as
demonstrated in this study, allows for the appiication of the model at the estuary level.
I chose to only focus on four sites for the sea-level rise scenarios to examine the model
and mapped results more critically.

Effect of landscape position and elevation on marsh resiliency

A striking difference across sites was the availability of adjacent upland habitat for
wetland migration. Under the highest sea-level rise scenarios, mid/high marsh
elevations, and in some cases the only vegetated marsh habitat for the entire marsh,
were entirely restricted to what was initially upland habitat (Figs. 4-6f, 4-7f, & 4-9f).
The island sites that lacked extensive upland habitat either had no mid/high marsh
habitat after 100 years or were almost entirely drowned. As such, these island sites are
less resilient to loss under sea-level rise, regardless of plant productivity and suspended
sediment concentration.

Initial marsh plain elevation also played a role in wetland resiliency with increased rates
of sea-level rise. Both Coon and Browns Islands had starting elevations that, on
average, were lower than the other sites and had a broader coverage of low marsh
habitat (Table 4-2; Fig. 4-1). Initially, this translated into an increase in mid/high
marsh elevation at the expense of low marsh elevations across all sea-level rise scenarios
because of accelerated accretion rates to equilibrate with sea-level rise, which has been
documented in other modeling studies (Morris et al. 2002, Mudd et al. 2009, Kirwan
and Mudd 2012) and field studies (Nyman et al. 2006, McKee et al. 2007). However,
the increase in sea level resulted in the inability for the wetlands to keep pace with sea-
level rise and the elevation shifted towards low marsh elevations again. This change in
elevation over time was not apparent China Camp and Rush Ranch since there was
minimal low marsh coverage under initial conditions (Fig. 4-1). Additionally, both of
these upland-bordering sites have broad marsh plains with relatively uniform elevations
and large-scale shifts in habitat type occurred rather abruptly when the threshold points
were crossed. Ultimately, the starting marsh elevation affected the initial rate of habitat
conversion but the net result after 100 years was similar across sites.

Effect of suspended sediment concentration on marsh resiliency

Accretion rates could not keep pace with high rates of sea-level rise when suspended
sediment concentrations were low, a finding supported by other models (Kirwan et al.
2010). A reduction in suspended sediment concentrations at the saltier sites, which
have lower plant productivity, resulted in an inability of the wetland to maintain current
elevations with sea-level rise; this effect was not as marked in the less saline sites. These
results are corroborated by field studies that documented higher bulk density values in
salt marshes; they require more mineral input to maintain elevations relative to sea-
level rise (Nyman et al. 1990, Thom 1992). A reduction in suspended sediment in the
salt marshes resulted in an earlier conversion to low marsh elevations under the 100
cm/century SLR scenario and almost complete marsh drowning under the 180
cm/century SLR scenario. Under the 24, 52, and 100 cm/century SLR scenarios, a
reduction in suspended sediment did not result in a large difference in modeled results
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for the lower salinity brackish sites, which had greater above- and below-ground
primary production.

Comparing the lower salinity sites, the importance of suspended sediment was apparent
(Neubauer et al. 2002), particularly with the highest SLR and at the lowest
concentrations. Both Rush Ranch and Browns Island have comparable peak biomass
(2,400 to 2,500 g/m>2yr, respectively); however, more suspended sediment is available
at Rush Ranch due to its location in the Estuary and water circulation patterns (Table 4-
3). After 100 years at the highest rate of century sea-level rise, Rush Ranch still
maintained low marsh elevations across areas on the original marsh plain. Both the
organic matter and mineral contributions are important to accretion at this site, and it
appears that Rush Ranch is the most resilient to sea-level rise compared to the other
sites. Browns Island had very little vegetated elevation after 100 years, all of which was
in formerly upland habitat.

Out of all of the model inputs, the suspended sediment concentration has the most
uncertainty associated with it. The majority of suspended sediment concentration
measurements have been made within the Bay itself and within key tributaries;
therefore, knowledge of sediment dynamics within marsh channels or on the marsh
plain is largely unknown. Furthermore, the influence of storm-based sediment pulses
on wetland accretion are well documented (Day et al. 1995) but not taken into
consideration with MEM, nor are changes in concentration over time. Additionally, in
the Estuary, sediment concentrations measured in the Bay have been dropping since the
placer-mining in the Sierra Nevada mountain range of the 1800s (Wright and
Schoellhamer 2004) and are predicted to continue to drop (Cloern et al. 2011,
Schoellhamer 2011). Similar patterns have been observed in other estuaries (Ibanez et
al. 1996, Chen et al. 2001, Tweel and Turner 2012). To accommodate for these factors, I
chose a variety of concentrations that might span current and future values, although
these values may be conservative miss the extremes since suspended sediment
concentrations are a fixed input over time with MEM.

Marsh Equilibrium Model

There are multiple advantages to using MEM for modeling wetland accretion over time.
First, the spreadsheet-based format enabled easy accessibility, transferability, and a fast
processing time; a web-based version is also available: http://jellyfish.geol.sc.edu/
model/marsh/mem.asp. Second, MEM mechanistically models both the individual
contributions and feedbacks between mineral and organic matter input to accretion.
Third, I was able to compare results to historic accretion data from dated soil cores with
model outputs, examining mass based mineral accretion, accretion rates, and soil
profiles of bulk density and percent organic matter (Callaway et al. 2012; Table 4-5; Fig.
4-10). This provided additional constraints for model calibration.

Two aspects of projected climate change that were not factored into the model were an
increase in salinity over time as sea level rises and decreases in suspended sediment.
Salinity is not explicitly addressed and suspended sediment concentrations are fixed.
Although salinity is not expected to increase drastically in the San Francisco Bay Estuary
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(Cloern et al. 2011), increases on the order of five to seven parts per thousand can result
in a reduction in biomass and loss of diversity, especially in the low salinity brackish
sites (Parker et al. 2012, Vasey et al. 2012). Incorporating a function into MEM that
reduces peak biomass over time could be a way of addressing shifting salinity dynamics
without affecting the complexity of the model. Additionally, implementing a decay
curve on the concentration of suspended sediments could allow the model to begin with
current values and have them slowly decrease over time in accordance with the
uncertainty in concentrations in the future (Cloern et al. 2011).

The MEM is a one-dimensional, elevation based model. Although the results can be
applied to a DEM as was done in this study, it is not inherently a spatially-explicit
model. Landscape context (i.e., channel proximity, neighbor influence) is not taken into
consideration when point-based results are applied spatially. A more realistic model of
sediment dynamics would incorporate declining sediment concentration (conservation
of mass), and hence deposition with distance from the source channel (Neubauer et al.
2002) and erosion near channel and bay edges. Model predictions should be most
reliable in the local vicinity of calibration sites due to the assumption that sediment
concentration is uniform across the marsh. Moreover, in the absence of a sediment
mass balance, a calibration site in the marsh interior is preferable to one close to a creek
bank. Additionally, MEM does not take into consideration changes in temperature and
the resulting increase in productivity that has been documented with some wetland
plant species (Kirwan et al. 2009, Kirwan and Mudd 2012).

Management Implications

I modeled a range of sea-level rise rates over 100 years to examine the resilience of tidal
wetlands with different mineral and organic accumulation rates to increased inundation
and reduced sediment loads. In all cases when the sea-level rise rate was 100
cm/century or more, the majority of the marsh plain was at elevations characteristic of
low marsh plant communities or lower. With the diverse array of resident bird and
mammal species that utilize the mid and high marsh (Nur et al. 2012), particularly
nesting birds, there likely will be a loss of refugia during high tides and storm events
that ultimately could lead to reduction in populations. The sites that have adjacent
upland areas were able to gain new mid and high marsh habitat at the highest rate of
sea-level rise (Figs. 4-6ef & 4-8ef). Up to a certain point, wetlands can maintain
vegetated elevations with increasing sea-level rise, but accretion alone is not enough to
support wetland habitat under the bleakest of scenarios. Site managers and agencies
should identify and secure key upland locations near current wetlands in order to allow
wetland migration to occur.

57



FIGURES FOR CHAPTER FOUR

FIGURE 4-1. Locations of field sites in the San Francisco Bay Estuary with insets at each
site with the distribution of current habitat types.
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FIGURE 4-2. Community-level plant biomass along an elevation gradient at A) China
Camp, B) Rush Ranch, and C) Browns Island.
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FIGURE 4-3. Histogram of plant biomass occurrences at Coon Island that was used to
determine peak biomass.
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FIGURE 4-6. Distribution of modeled marsh habitat types in 2110 at China Camp with 52
cm/century, 100 cm/century, and 180 cm/century sea-level rise at A,C,E) low and
B,D,F) high suspended sediment concentrations, respectively.
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FIGURE 4-7. Distribution of modeled marsh habitat types in 2110 at Coon Island with 52
cm/century, 100 cm/century, and 180 cm/century sea-level rise at A,C,E) low and
B,D,F) high suspended sediment concentrations, respectively.

52 cm/century
100 mg/L

100 cm/century
100 mg/L

180 cm/century
100 mg/L

52 cm/century
25 mg/L

100 cm/century
25 mg/L

180 cm/century
25 mg/L

0 250 500

Habitat: [l unvegetated | low marsh [Jll] mid/high marsh [[] upland

Meters N



FIGURE 4-8. Distribution of modeled marsh habitat types in 2110 at Rush Ranch with 52
cm/century, 100 cm/century, and 180 cm/century sea-level rise at A,C,E) low and
B,D,F) high suspended sediment concentrations, respectively.
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FIGURE 4-9. Distribution of modeled marsh habitat types in 2110 at Browns Island with
52 cm/century, 100 cm/century, and 180 cm/century sea-level rise at A,C,E) low and
B,D,F) high suspended sediment concentrations, respectively.
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FIGURE 4-10. Comparison of modeled soil bulk density and percent organic matter with
depth to soil core data (Callaway et al. 2012) collected at each site.
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FIGURE 4-11. Change in percent cover of each habitat type over time for each suspended
sediment concentration with 24 cm/century sea-level rise for all sites, with elevations
color-coded to indicate unvegetated (brown), low marsh (light green), mid/high marsh
(medium green), and upland (orange) areas.
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FIGURE 4-12. Distribution of modeled marsh habitat types in 2110 at Rush Ranch with
52 cm/century, 100 cm/century, and 180 cm/century sea-level rise at mid suspended
sediment concentrations.
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Table 4-2. Area (ha) of the each habitat type with percentage of coverage in parentheses
in 2010.

Site
Habitat Type China Camp Coon Island Rush Ranch Browns Island
unvegetated 1.02 (1) 3.17 (2) 3.13 (1) 4.54 (2)
low marsh 9.11 (8) 30.15 (19) 13.27(3) 74.21 (30)
mid/high marsh 89.19 (78) 120.26 (76) 385.60 (84) 166.62 (67)
upland 14.69 (13) 4.70(3)  54.43(12) 4.61(2)
total 114.02 158.28 456.43 249.98
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TABLE 4-4. Relative elevation key for determining cut-offs between habitat types.

Site
China Camp Coonlsland Rush Ranch Browns Island
unvegetated <-0.3 <-0.3 <-0.3 <-0.3
low marsh -0.3-0.7 -0.3-0.65 -0.3-0.74 -0.3-0.75
mid/high marsh  0.7-1.049 0.65-1.01 0.74-1.03 0.75 - 1.06
upland > 1.049 > 1.01 > 1.03 > 1.06
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TABLE 4-5. Comparison of accretion rate and mineral accumulation between marsh soil
cores (Callaway et al. 2012) and MEM model results at comparable elevations at each
site.

accretion rate (cmyr-?) mineral accumulation (g m-2yr-1)
soil core soil core
values model results values model results
China Camp 0.31-0.43 0.32 966-1972 1419
Coon Island 0.11-0.32 0.23 301-839 801
Rush Ranch 0.2-0.29 0.25 312-623 338
Browns Island 0.2-0.27 0.26 189-513 260
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CHAPTER FIVE
Conclusions and directions for future research

Tidal wetland ecosystems are dynamic coastal habitats that, in California, often occur at
the complex nexus of aquatic environments, altered baylands, and modified upland
habitat. Because of their prime coastal location and rich peat soil, many wetlands have
been reduced, degraded, and/or destroyed, and yet their importance in carbon
sequestration, nutrient and sediment filtering, flood dampening, and as habitat requires
us to examine their maintenance and persistence in light of predicted climate change.
My dissertation research focused on possibilities for wetland resilience in a changing
climate in the San Francisco Bay Estuary across scales and using a suite of
methodologies. I used several approaches — field experimentation, remote sensing, and
modeling — to examine ways in which wetland plants might respond to accelerated sea-
level rise, but also to understand how to measure and monitor their response across
scales to a changing climate. Below, I highlight key findings from my research and
discuss areas of future research and refinement.

Summary of Key Findings

1. Wetland plants have a high tolerance for increases in inundation.

In Chapter Two, I examined wetland plant tolerances to increased inundation at depths
comparable to projected century-end sea-level rise rates. While there are limits to
growth and survival of any plant under increased inundation, results from this field
experiment suggest that over the short term, wetland plant species can tolerate
inundation rates greater than what they currently experience. Despite differences in
tolerance, both of the widespread sedge species that I examined grew at water depths up
to 60 cm deeper than they currently experience, even when water salinity levels were
slightly increased. These results highlight that currently established populations of
these species can likely persist with increased inundation rates in the face of accelerated
rising sea levels, potentially increasing wetland resiliency over time. Both above and
below-ground productivity will decrease as inundation levels increase, yet their ability to
grow in spite of this is promising for short-term resistance to change.

2. Community interactions need to be incorporated into plant responses to increased
sea-level rise.

Examining plant community responses in a changing climate with no historic analogue
presents challenges in understanding the direction and magnitude of species’ responses
to climate change. Currently, both facilitation and competition can occur among species,
typically, under both stressful and benign conditions, respectively. Through my field
experiment investigating plant responses to increased inundation rates associated with
predicted sea-level rise (detailed in Chapter Two), I discovered that a species more
tolerant of increased inundation was also a better competitor as inundation and salinity
stress increased. This finding was not predicted by current ecological theory and would
not have been documented through investigation of single species responses. This
result highlights that plant interactions currently seen in tidal wetlands are likely to
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change as stresses increase, and stress tolerance may directly affect the overall outcome
of competitive interactions.

3. Litter cannot be ignored when estimating plant production using remotely sensed
data.

Many large-scale carbon assessment projects in wetlands are underway and there is a
growing need to quantify plant production on large spatial scales for both carbon
monitoring and incorporation into climate change modeling. Applying remote sensing
methods used in forestry and agricultural systems for assessing primary production, I
measured the fraction of photosynthetically active radiation, a key parameter for
modeling gross primary productivity, at different heights within a very dense litter layer
in a managed freshwater marsh and related values to spectral indices derived from in-
situ field spectrometer data (Chapter Three). While I documented correlations between
specific spectral indices and field data, a significant relationship only occurred when
field measurements were taken above the litter layer, not at the ground surface where
measurements normally occur. These methods calibrated from field measurements
show promise, but are not yet reliable enough for widespread use. Better accounting of
litter effects need to occur before wide-scale remotely sensed carbon measurements can
be reliable in tidal wetlands.

4. Models of wetland resiliency require mechanistic modeling of both organic matter
and mineral contribution to accretion.

A broad suite of modeling efforts have occurred to investigate wetland resiliency with
predicted increases in sea-level rise, and the majority of studies that apply results from
the detailed one-dimensional models to at a wetland or estuary-wide scale do not
incorporate the ecogeomorphic feedbacks affecting mineral and organic matter
accretion with elevation. In Chapter Four, I used a rich dataset of plant productivity and
physical processes in concert with an elevation-based soil cohort model that
mechanistically models the individual effects and interactions of mineral input and
organic matter on accretion. My results highlighted that inclusion of this interaction in
examining predicted accelerated sea-level rise effects on marsh elevations gave a less
pessimistic outcome than did models that use only model dynamics of mineral input.

5. Adjacent upland habitat is key for wetland resiliency.

By applying projections of wetland elevation change with predicted sea-level rise at four
tidal wetland sites, I found that wetlands with available adjacent upland habitat
maintained vegetated elevations that could support mid and high marsh bird and
mammal species. Under the highest rate of sea-level rise, formerly upland habitat
contained the only vegetated areas. However, as shown in Chapter One, fixed land use
activities on diked former baylands surrounding most of the San Francisco Bay Estuary
precludes opportunities for marsh migration. In other parts of the estuary there are
places for wetlands to migrate. Emphasis should be placed on obtaining and preserving
these upland habitats for future wetland migration.

Tidal wetland resilience to predicted sea-level requires an understanding of both
individual plant and community-level responses in addition their interactions with
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sediment supply and adjacent land uses. Through each of these chapters, my results
suggest promise for the future wetland landscape of San Francisco Bay Estuary, as well
as multiple challenges. Wetland plants have the morphological and physiological
adaptations to allow them to persist in environments that are regularly inundated and
often salty, which are, respectively, oxygen-poor and toxic for most plant species. While
I did discover that wetland plants can tolerate increased inundation up to and at least
60 cm higher than current depths, there are limits to the magnitude of inundation both
in plant production and survival, which my field experiment and accretion modeling
support. Scaling measurements of plant production up to the site level and across
landscapes requires the integration of field measurements with remotely sensed
measurements. In my investigation to test remotely sensed methods of measuring
carbon stock, I was challenged in finding a reliable way of monitoring plant production
remotely and currently measures of carbon storage will have to rely on intensive field
work. More work will need to be conducted in this arena. Finally, while I was able to
successfully calibrate a mechanistic model for wetland accretion across four wetlands in
the San Francisco Bay Estuary, it is clear that the wetland landscape in the bay is
threatened with rising sea levels, and there are a limited number of wetlands that will be
able to migrate to higher ground as sea levels rise. Despite these challenges, my
dissertation presents a robust and new understanding of how tidal wetlands might
respond to predicted climate change.

Directions for future research

While my dissertation research begins to address tidal wetland resiliency in the face of
sea-level rise, there are key aspects that could be expanded on for future research. My
work examining the potential benefits of surrounding land use types on tidal wetlands
could be improved by incorporating an elevation dataset into the model to highlight
upland regions. This could further elucidate potential areas for wetland migration.

Second, the field experiment investigating plant responses to increased rates of sea-level
rise discussed in Chapter Two should be expanded to investigate more species common
throughout the Estuary, examine how productivity changes when plants are grown alone
and together, and incorporate more sites that have broader differences in salinity.

Third, a network of plots needs to be established for regular measurement of suspended
sediment concentrations within and across tidal wetlands. There is a dearth of data
available from Pacific coast marshes. This is a key data gap yet one of the most critical
of inputs into wetland accretion modeling. Models for widespread data collection across
a suite of wetlands has occurred along the coast of the Gulf of Mexico (Coastwide
Reference Monitoring System) and could similarly be applied in the San Francisco Bay
Estuary.

Fourth, incorporating lessons learned from the field experiment and review of modeling
literature and data needs, another field experiment could be conducted to examine
differences in accretion rates at each elevation within the experimental planters. A
concurrent greenhouse experiment conducted under similar inundation regimes could
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be incorporated to isolate the plant’s role in accretion in the absence of suspended
sediment.

Fifth, efforts into developing a spatially explicit version of the mechanistic model used in
Chapter 4 would significantly increase its ability to more accurately replicate marsh
dynamics. Currently, individual points within a marsh do not interact as they would in a
hydrodynamic model. With this improvement, however, the level of model complexity
and processing time increases and its accessibility to wetland managers and
practitioners might decrease. In the interim, a simple, point-based approach could be
improved by adjusting sediment concentrations with channel distance, based on field
measurements

This dissertation addresses a number of key questions regarding wetland plant response
to SLR, comments on available methods for scaling carbon estimates in wetland
systems, and refines past models of wetland resilience by better use of ecogeomorphic
feedbacks. As such it represents a step forward in understanding the potential resilience
of the wetland landscape of the San Francisco Bay Estuary in a changing climate.
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