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Introduction 
 Reservoirs are vital components of California’s water infrastructure that allow a 
population of 40 million to thrive in its drought-prone climate. These engineered 
impoundments provide additional benefits beyond storing water for irrigation and potable 
supply. By containing runoff during the rainy season, reservoirs provide incidental flood 
protection downstream. Reservoirs can benefit the environment by storing water that 
maintains consistent outflow to creeks that would otherwise go dry. Reservoirs also serve 
recreational needs of communities by providing local opportunities for fishing, boating, 
picnicking, and hiking. Many of those who fish in reservoirs rely on their catch to 
provide themselves and their families with an inexpensive, nutritious meal. However, 
California’s legacy of mining has contaminated fish throughout the state, putting anglers 
and their families at risk for mercury poisoning. 

 About half of reservoirs in California exceed regulatory standards for safe 
mercury levels in fish set by the State Water Resources Control Board. Some coastal 
California reservoirs are contaminated by waste material from legacy mercury mining 
operations. Others have received quicksilver lost to the environment during the California 
Gold Rush. Even seemingly pristine lakes can host fish with high mercury concentrations 
that result from deposition of mercury released into the atmosphere from fossil fuel 
combustion around the world. 

 Though mercury is typically present in trace concentrations in reservoir 
sediments, reservoirs create conditions that are conducive to the production and 
bioaccumulation of neurotoxic methylmercury. When inflow decreases and air 
temperatures rise in the springtime, reservoirs undergo thermal stratification. The warm, 
buoyant epilimnion floats atop the cold, dense hypolimnion, blocking off bottom waters 
from oxygen input from the atmosphere and photosynthesis. Aerobic bacteria consume 
the remaining dissolved oxygen in the hypolimnion, creating anoxic conditions in bottom 
waters and at the sediment-water interface. Under anoxic conditions, some anaerobic 
bacteria can convert inorganic mercury present in the water and sediments into 
methylmercury. Methylmercury is a potent neurotoxin that can cause neurological 
damage, cardiovascular disease, and reproductive impairment in humans and wildlife. 
Methylmercury is released into the water column where it concentrates in phytoplankton 
by millions of times its concentration in water. Methylmercury is concentrated further up 
the food chain in zooplankton, planktivorous fish, and predatory fish, reaching 
dangerously high (>0.5 ppm) concentrations in fish that are consumed by humans and 
wildlife.  

 The complexity of mercury cycling and bioaccumulation in reservoir systems 
presents a wide array of potential management strategies. Reservoir managers could 
decrease methylmercury levels in fish by limiting the microbial conversion of inorganic 
mercury to methylmercury, by lowering its introduction into the food web, or by 
controlling trophic transfer between organisms. This dissertation investigated these three 
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different aspects of reservoir mercury management in a series of field and laboratory 
studies. The overall objective of this dissertation was to investigate methods for 
controlling methylmercury production and bioaccumulation in reservoirs contaminated 
by the former New Almaden Mining District, North America’s largest historical mercury 
mine. 

Chapter 1 is a manipulated field experiment to evaluate the effects of hypolimnetic 
oxygenation on mercury cycling and fish tissue mercury in contaminated reservoirs. 
Using a 15-year dataset consisting of water quality and fish tissue measurements 
collected prior to and during reservoir oxygenation, I conducted statistical analyses to 
identify key changes in water quality and fish tissue data. Results indicated declining 
trends in fish mercury in two of four reservoirs, likely the result of increased primary 
productivity and not due to the inhibition of methylmercury production. Chapter two 
consists of a set of sediment slurry incubations aimed at evaluating the use of manganese 
oxide and activated carbon sediment amendments for mercury control through redox 
buffering and sorption. Manganese oxide and activated carbon amendments were equally 
effective in decreasing methylmercury concentrations in sediment porewater. Manganese 
oxide amendments were rapidly reduced to Mn2+, warranting further optimization to 
increase longevity. Chapter three is an observational study aimed at characterizing 
plankton dynamics and methylmercury bioaccumulation in the pelagic food web. An 
increased understanding of bioaccumulation in lower-trophic level organisms is 
necessary when considering potential ecological mercury management options (e.g., fish 
stocking). Overall, results demonstrated the seasonal patterns of MeHg introduction into 
the pelagic food web and how complex and counteracting factors may control the 
magnitude of MeHg bioaccumulation. Collectively, the three chapters of this dissertation 
provide key information that will inform future mercury management efforts in the study 
reservoirs.  
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1 Effects of Hypolimnetic Oxygenation on Fish Tissue 
Mercury in Reservoirs Near the New Almaden Mining 
District 

 

1.1 Abstract 
Almaden, Calero, and Guadalupe reservoirs (San Jose, CA, USA) are small (< 13 

million m3) surface water reservoirs polluted by the former New Almaden Mining 
District, North America’s most productive historical mercury (Hg) mine. Stevens Creek 
Reservoir (Cupertino, CA, USA) also has elevated fish Hg concentrations, but no 
historical mining source. We report a 15-year dataset to evaluate the effectiveness of line 
diffuser hypolimnetic oxygenation systems (HOSs) in reducing methylmercury (MeHg) 
concentrations in reservoir water and fish after four consecutive years of operation. HOSs 
were installed in each reservoir to increase dissolved oxygen concentrations in bottom 
water, thereby suppressing the activity of anaerobic bacteria (e.g., sulfate-reducing 
bacteria) known to produce MeHg. Before HOS operation, MeHg concentrations 
increased in bottom waters of all four reservoirs during periods of thermal stratification 
and profundal hypoxia. MeHg concentrations decreased significantly in bottom waters 
during HOS operation, with mean reductions of 63%-85% below pre-oxygenation 
concentrations. However, MeHg concentrations were unchanged or increased in surface 
waters. This could be the result of enhanced mixing between surface and bottom waters 
as a result of the line diffuser bubble plume, or continued Hg methylation occurring in the 
oxic water column and littoral sediments. Despite little change in whole water column 
MeHg concentrations, we observed modest but significant declining trends in fish tissue 
Hg in Guadalupe and Stevens Creek reservoirs. Results suggest that oxygenation, rather 
than directly lowering MeHg in water, may have mixed nutrients into surface waters, 
thereby enhancing primary productivity and indirectly affecting Hg bioaccumulation by 
diluting concentrations among more phytoplankton. 
 

1.2 Introduction 
Mercury (Hg) accumulation in reservoir fish is a major human and ecological 

health concern in California, affecting about half of the reservoirs in the state (SWRCB, 
2017a). Reservoir impairment severity varies with Hg source (Hg mining, gold mining, 
atmospheric deposition); reservoir physical, chemical, and biological characteristics; and 
reservoir operations (Hsu-Kim et al., 2018). High Hg in fish disproportionally affects 
Native American tribes and subsistence fishers who depend on locally caught fish for 
food security (SWRCB, 2017c). The State Water Resources Control Board is currently 
developing the Statewide Mercury Control Program for Reservoirs to address fish Hg 
levels that are unsafe for consumption by humans or wildlife (SWRCB, 2017b).  

A thorough understanding of Hg dynamics in reservoirs is crucial to select effective 
remediation strategies. Various methods have been employed to decrease MeHg 
production in reservoirs by buffering redox potential at the sediment-water interface. 
Redox buffering aims to thermodynamically disfavor methylating organisms by 
providing excess terminal electron acceptors for bacteria that are not known methylators 
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(aerobic, denitrifying, and manganese-reducing bacteria). Lake and reservoir pilot studies 
have used hypolimnetic addition of oxygen (Beutel et al., 2014; McCord et al., 2016) and 
liquid calcium nitrate (Matthews et al., 2013; Austin et al., 2016) to decrease sediment 
MeHg release. Manganese oxide amendments have been evaluated in experimental 
mesocosms, but not on a field scale (Vlassopoulos et al., 2018).  

Though these methods have shown promise in reducing MeHg concentrations in 
bottom waters, none have been found to conclusively reduce MeHg concentrations in fish 
independent of other remediation actions such as sediment dredging and capping. The 
objective of this study was to test the efficacy of line diffuser hypolimnetic oxygenation 
systems (HOSs) in reducing MeHg production and bioaccumulation in contaminated 
reservoirs. Oxic conditions at the sediment-water interface lowered MeHg concentrations 
in overlying water in experimental incubations using sediments collected from water 
bodies in the study watershed (Duvil et al., 2018). We apply this concept at the reservoir-
scale, investigating the effects of oxygen addition on MeHg production and 
bioaccumulation in three reservoirs located near the historical New Almaden Hg mining 
district south of San Jose, California and a nearby reservoir uninfluenced by mercury 
mining. 

 

1.3 Site and System Description 
1.3.1 Site Description 

The New Almaden Mining District (San Jose, CA, USA) was North America’s 
largest and most productive mercury mine. The Guadalupe River watershed is 
contaminated with Hg waste from former mining operations. Despite about $10 million 
USD for remediation to excavate and contain processed ore, many waste piles and miles 
of polluted creeks have not yet been remediated. Consequently, typical annual Guadalupe 

Figure 1-1: Map of study site including Almaden, Calero, Guadalupe and Stevens Creek reservoirs, 
historical mercury mine locations, and hydrologic connectivity between reservoirs. Mercury sources are 

described in Supplemental Text A1. 
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River Hg transport from the mining district to San Francisco Bay is 120 kg/yr (McKee et 
al., 2017). Almaden (AR), Calero (CR), Guadalupe (GR), and Stevens Creek (SCR) 
reservoirs (Santa Clara County, CA, USA) are mesotrophic to eutrophic, monomictic 
reservoirs constructed in the mid-1930s (Fig. 1-1, Table A1). The reservoirs are used to 
capture local runoff for subsequent recharge of groundwater basins used for potable 
supply, and for flood protection. AR and GR (Guadalupe River watershed) receive Hg 
mine waste from New Almaden, some of which is transported from AR to CR via 
Almaden-Calero Canal (Fig. 1-1) (Tetra Tech, 2005). Guadalupe and Almaden reservoirs 
receive water exclusively from their local watersheds. CR can receive water through a 
canal from AR or a pipeline from a large storage reservoir outside of the watershed fed 
with water from the San Joaquin/Sacramento Delta. SCR is in the Stevens Creek 
Watershed, where there is no known Hg mine waste. Its water source is exclusively its 
local watershed, and it drains to San Francisco Bay. Hg in SCR is assumed to come from 
a combination of geologic, local atmospheric (Rothenberg et al., 2010) and global 
atmospheric sources (SWRCB, 2017a). Mercury sources and fish Hg levels relative to 
sediment total Hg are provided in Supplemental Text A1 and S2. These different 
characteristics of Hg loading to the reservoirs are reflected in the relatively high sediment 
total Hg concentrations in AR and GR (Table 1-1). 

 
AR, GR, and SCR receive inflow from local precipitation during the wet season 

(November to April) and are drawn down over 50% by volume during the dry season. 
These reservoirs receive little to no summer inflow. In contrast, CR, which primarily 
receives imported water, is maintained at a more consistent capacity year-round. All four 
reservoirs have bottom-release outlets that discharge hypolimnetic water throughout the 
year. Each reservoir exceeds regulatory thresholds for Hg concentrations in fish 
(SWRCB, 2017a). Hg in largemouth bass, the top predator and a sport fish, ranges from 
0.75 mg/kg in SCR to 4.9 mg/kg in GR (35 cm standardized size, muscle, wet weight, 
Tables 1-1 and A2); GR contains among the highest fish Hg concentrations in the USA. 

 

 
1.3.2 Hypolimnetic Oxygenation Systems (HOS) 

Line diffuser hypolimnetic oxygenation systems (HOSs) installed in AR, CR, GR, 
and SCR between 2011 and 2015 each deliver around 675 kg of high-purity (> 90%) 
oxygen gas per day to each reservoir’s hypolimnion (Fig. A1). Fine oxygen bubbles are 

Table 1-1: Select pre-HOS chemical characteristics of Almaden, Calero, Guadalupe and Stevens Creek 
reservoirs. Values are mean and 95% confidence interval; sediment THg in dry weight and fish THg in wet 

weight. For sediment mercury samples, n = 2 for Stevens Creek Reservoir. Dry season (May-October) water 
samples, n = 48-84 for methylmercury and n = 39-71 for chlorophyll a. 
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discharged from diffuser lines extending between 305 and 610 meters laterally on the 
reservoir bottoms. The systems are operated from the beginning of thermal stratification 
(April-May) until fall destratification (September-October). Systems were operated only 
intermittently from 2013-2015 due to technical challenges, but near-continuous summer 
operation was maintained throughout the 2016-2019 stratified periods. 
 

1.4 Methods 
1.4.1 Field Methods  

Vertical profiles for temperature, dissolved oxygen (DO), oxidation reduction 
potential (ORP, relative to Ag/AgCl reference electrodes), chlorophyll a, and 
phycocyanin were collected bi-weekly to monthly since 2005 using regularly calibrated 
Hydrolab® DS5 multiparameter sondes. We used a Wildco® horizontal VanDorn trace 
metal sampler to collect water samples from discrete depths with ultraclean handling 
methods ((U.S. E.P.A., 1996). Water samples for general water chemistry and total Hg 
and MeHg were collected from surface (2 m depth) and profundal (1 m from sediments) 
waters, termed “surface” and “profundal/bottom” respectively. Additional MeHg samples 
were collected at the top, midpoint, and bottom of the thermocline.  
Fish assemblage data and tissue samples were collected as water level permitted, from 
annually (2011-2013) to twice-annually (spring and summer 2016-2019). Fish were 
collected using a Smith Root Model-H electrofishing boat at four shoreline stations for 
fifteen-minute passes. Black crappie (Pomoxis nigromaculatus), bluegill (Lepomis 
macrochirus), and largemouth bass (Micropterus salmoides) from 50-350 mm were 
euthanized using tricaine mesylate, and frozen for later analysis. Up to 42 fish samples 
were collected from each reservoir per sampling event, ideally collecting each species 
over the entire 50-350 mm length range. However, this was not always possible. 
 
1.4.2 Analytical Methods 

Water samples were analyzed by Eurofins Scientific (Pleasanton, CA, USA). 
Total Hg was analyzed by EPA method 1631E (U.S. E.P.A., 2002). The method detection 
limit for total Hg was 0.2 ng/L. Total MeHg (unfiltered) was analyzed by EPA method 
1630 (U.S. E.P.A., 1998). The method detection limit for MeHg was 0.02 ng/L. Strict 
quality control standards were followed for trace-level Hg and MeHg analysis, including 
method blanks, matrix spikes/matrix spike duplicates (acceptable range = 75-125% 
recovery), and ongoing precision and recovery samples (acceptable range = 75-125% 
recovery). Sulfate was analyzed by ion chromatography (U.S. E.P.A., 1993). Total Hg in 
fish tissue (whole body) and sediment were analyzed by Brooks Applied Labs (Seattle, 
Washington, USA) using a HNO3/H2SO4 digestion, followed by EPA method 1631E 
(U.S. E.P.A., 2002). Frozen whole fish were defrosted and thoroughly homogenized 
using a clean blender prior to digestion. Fish Hg analysis followed strict quality control 
measures, including duplicates (acceptable relative percent difference = 30%), matrix 
spikes/matrix spike duplicates, and method blanks. Adequate recovery was verified using 
certified reference material (TORT-3). Total Hg was analyzed in fish because fish Hg is 
known to be nearly 100% MeHg. 
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1.4.3 Statistical Methods 
Water quality data were evaluated by comparing dry season (May 1-September 

30) measurements made prior to operation of HOS (OFF) to dry season measurements 
made during system operation (ON). Due to periodic shutdowns, the systems were 
considered ON if profundal dissolved oxygen concentrations were maintained above 2 
mg/L. For data that were normally distributed, or could be normalized, Welch’s t-test was 
used to compare between ON and OFF groups. The nonparametric Mann-Whitney test 
was used to compare ON and OFF groups that could not be normalized.  

Due to limited fish Hg data prior to HOS operation, our evaluation consists of 
both before/after comparisons and trend analysis following HOS installation. We 
compared fish Hg data collected before and during HOS operation for each species in 
each reservoir. The post-HOS dataset for each species/reservoir combination consisted of 
the most recent samples collected in the same number and length range as the pre-HOS 
dataset. We length-standardized each individual fish to 100 mm by dividing its Hg 
concentration by its length, then multiplying by 100 mm. Monson (2009) found this 
averaging method to be interchangeable with the commonly used least-squares method of 
length-standardization. We compared pre- and post-HOS length-standardized Hg 
concentrations in fish using the non-parametric Mann-Whitney test because data were not 
normally distributed and could not be transformed to fit a normal distribution.  

Trends in fish Hg concentrations can be obscured by inconsistencies between 
sample collection events. Fish Hg varies with collection season, fish species, and fish 
length. While we made considerable effort to minimize variability during sampling 
events, this was not always possible. Several studies have used linear regression to assess 
trends in fish Hg over time (e.g. Monson, 2009; Monson et al., 2011, Gandhi et al., 
2014). We used a multiple regression model to isolate the trend in fish Hg from the 
covarying factors based on the following (Eq. 1): 

Hg= β1+ β2
(Fish Species)+ β3

(Fish Length)+  
β4

(Fish Species)(Fish Length)+β5
(Collection Season)+β6(Sample Date)       (Eq. 1)                                    

The key parameter of interest is the Sample Date coefficient (β6) because it 
represents the change in fish Hg with time. The model was applied to each reservoir 
using data collected following the onset of HOS operation.  

 
To address uncertainty in the estimates of the Sample Date coefficients (β6), we 

performed a nonparametric bootstrap analysis (r = 2000) to recalculate their 95% 
confidence intervals. Bootstrap analysis is a common method using resampling with 
replacement that can be applied to estimate confidence intervals of regression coefficients 
(Wu, 1986). 

 

1.5 Results 
1.5.1 Pre-Oxygenation Methylmercury Production and Fish Tissue Mercury 

Each reservoir was thermally stratified annually from late spring (April-May) 
until early autumn (September-October). During stratification, profundal DO 
concentrations declined and MeHg concentrations increased. For example, in GR from 
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June 2011 through September 2011, surface waters warmed to around 25 ˚C and anoxic 
profundal waters near the sediment-water interface contained over 20 ng/L MeHg, 
accounting for nearly 40% of the total Hg concentration (Fig. A2). Profundal MeHg 
buildup varied annually in each site, fluctuating with water quality conditions, water 
storage, and reservoir operations. In all reservoirs prior to oxygenation, MeHg buildup in 
bottom water corresponded with sulfate depletion and lower redox potential. In GR for 
example, bottom water in late summer exhibited sulfate minima typically <10 mg/L and 
MeHg maxima typically > 20 ng/L when ORP was < 100 mV (Fig. 1-2). Though AR and 
GR contained similar total Hg concentrations in sediment (~3-5 mg/kg), average dry 
season MeHg concentrations prior to oxygenation in GR bottom water were an order of 
magnitude higher than AR (12.1 vs. 1.9 ng/L) (Table 1-1). AR and CR contained similar 
pre-oxygenation dry season mean MeHg concentrations in bottom water (1.9 ng/L), and 
SCR contained notably lower concentrations (0.8 ng/L). Pre-oxygenation dry season 
mean MeHg concentrations in surface water, an important source of MeHg to biota, were 
similar in AR and GR (0.6-0.8 ng/L), and lower in CR and SCR (< 0.3 ng/L).  

Though data collected prior to oxygenation were limited, mean Hg (whole body, 
wet weight) in age-1 largemouth bass was around 0.8 mg/kg in AR (n = 50) and GR (n = 
11), and 0.1 mg/kg in CR (n = 52) and SCR (n = 7). Hg (whole body, wet weight) in 35 
cm length-standardized largemouth bass ranged from 0.75 mg/kg in SCR to 4.9 mg/kg in 
GR (Table 1-1). Additionally, fish Hg data were collected for bluegill, black crappie, and 
largemouth bass up to 350 mm (Table A2).  

 
Figure 1-2: Guadalupe Reservoir oxidation reduction potential (ORP) (top), sulfate (middle) and 

methylmercury (MeHg) from 2006- 2012 prior to oxygenation. Measurements were taken one meter from the 
reservoir bottom. 

1.5.2 Oxygenation System Operation 
The hypolimnetic oxygenation systems were operated nearly continuously 

throughout the dry seasons of 2016-2019 (Fig. 1-3). DO saturation in bottom water 
increased significantly (Table A3, lines 41-48) in AR, GR, and SCR, from dry season 
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means of 5-26% in years prior to oxygenation to means of 91-123% during oxygenation 
(Fig. A3). When reservoir oxygenation was initiated prior to the onset of profundal 
hypoxia (DO < 2 mg/L), anoxia was avoided, and oxygen-rich conditions were 
maintained throughout the stratification period. Though the diffuser lines extend only 
through the deepest portions of the reservoirs, elevated DO concentrations propagated 
throughout the entire hypolimnion in all reservoirs except CR. For example, in June 
2018, DO levels exceeded 14 mg/L throughout the hypolimnion of AR, including over 
500 m away from the end of the oxygenation line diffuser (Fig. A4). DO saturation 
increased only modestly in CR, from a mean dry season saturation of 8.5% prior to 
oxygenation to 16.4% during oxygenation, with this effect limited to the immediate 

vicinity of the diffuser line (Fig. A3). Though this increase was statistically significant 
(Table A3, lines 43-44), the reservoir bottom experienced prolonged periods of anoxia 
during oxygenation (Fig. 1-3). As expected, surface water remained well-oxygenated 
throughout the year (mean dry season DO saturation; Table A3, lines 33-40, and Fig. 
A3). 

 
 

1.5.3 Water Quality Results 
In addition to DO, several water quality parameters of interest showed differences 

before and during oxygenation in bottom and surface water. Water temperatures 
increased significantly (Table A3, lines 105-112) in bottom water of all reservoirs except 
AR during oxygenation, with mean increases between 2.5 °C and 5.5 °C (Fig. A3). 
Surface temperature increased significantly (Table A3, lines 97-104) in CR, GR, and 
SCR, and nearly significantly in AR during oxygenation by about 1°C (Fig. A3). During 

Figure 1-3: Dissolved oxygen saturation in bottom water during oxygenation system operation. 
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oxygenation, ORP unexpectedly decreased significantly in the bottom waters of AR and 
CR, and nearly significantly in GR (Table A3, lines 25-32) relative to previous years 
(Fig. A3). This effect was most pronounced in CR, where mean ORP decreased from 181 
to 102 mV. In surface waters, mean ORP decreased significantly (Table A3, lines 17-24) 
by about 100 mV (Fig. A3). During oxygenation, mean sulfate concentrations were 
significantly higher in bottom waters of all reservoirs and in surface waters of all except 
AR (Table A3, lines 57-64; Fig. 1-4). Differences were modest, about 5 mg/L increase in 
CR surface and bottom waters (Fig. 1-4). Chlorophyll a concentration increased 
significantly (Table A3, lines 1-8) by 20-35% in the surface waters of all reservoirs 
except GR during oxygenation. This effect was most pronounced in CR, where the mean 
chlorophyll a concentration increased from 8.5 to 12.6 ug/L. Phycocyanin concentrations 
changed similarly, increasing by 25%-60% in the surface water of all reservoirs, with 
most notable increases in CR (Fig. A3).  

Total Hg concentrations in bottom water were unchanged in GR but decreased 
significantly in AR, CR, and SCR (Table A3, lines 73-80) during oxygenation (Fig. 1-4). 
In SCR, total Hg concentrations in bottom water decreased from a dry season mean of 
11.3 ng/L in years prior to oxygenation to 6.9 ng/L during oxygenation. Average total Hg 
concentrations decreased in surface waters of AR and GR (Table A3, lines 65-70). In GR, 
average total Hg concentrations decreased in surface waters from 13.8 to 6.6 ng/L (Table 
A3, lines 69-70 and Fig. 1-4). 
  Total MeHg decreased significantly (Table A3, lines 89-96) in the bottom waters 
of all reservoirs during oxygenation, with mean reductions from 63 to 85% below pre-
oxygenation concentrations (Fig. 1-4). This effect was most pronounced in GR, where 
average concentrations decreased from 12.1 to 1.8 ng/L. However, MeHg concentrations 
were unchanged in surface waters, except for in SCR where concentrations increased 
slightly but significantly (Table A3, 81-88) from 0.12 to 0.15 ng/L (Fig. 1-4). MeHg 
concentrations in the mid-water column were largely unchanged in all reservoirs. Whole 
lake MeHg concentration, calculated as the total estimated mass of MeHg divided by the 
total water storage volume, increased significantly (Mann-Whitney test: U = 414, p-value 
= 0.005) in SCR from 0.10 ± 0.02 ng/L (n = 37; mean plus/minus 95% CI) prior to 
oxygenation to 0.17 ± 0.04 ng/L (n = 36) during oxygenation (Fig. A5). In GR, the whole 
lake MeHg concentrations decreased modestly, but significantly (Mann-Whitney test: U 
= 1704, p-value = 0.03) from 0.73 ± 0.16 ng/L (n = 61) to 0.70 ± 0.27 ng/L (n = 45) (Fig. 
A5).  
 



12 
 

 
Figure 1-4: Dry season methylmercury and related analytes measured prior to (OFF) and during (ON) 

oxygenation. “Surface” samples were taken two meters from the surface and “Bottom” samples were taken 
one meter from the bottom. Symbols above the OFF bar signify a significant difference between ON and 

OFF. See Table A3 for statistical results. 

1.5.4 Fish Tissue Mercury 
We found no significant difference between pre- and post-HOS 100 mm length-

standardized fish Hg concentrations, except in AR where largemouth bass Hg decreased 
by an average of 35%, and SCR where black crappie Hg increased by 114% (Table A4, 
Fig. 1-5). The Sample Date terms of the multiple regression model were significant (p < 
0.001) and negative in GR and SCR (Table A5), indicating declining trends. To elucidate 
trends in fish Hg, we fit the regression models to 100 mm fish (Fig. 1-6, blue line). In GR 
and SCR, the bootstrapped 95% confidence intervals for the Sample Date coefficients 
(β6) were comparable to the confidence intervals yielded by the multiple regression 
models (Table A6), confirming the declining trends. The 95% confidence intervals of the 
Sample Date coefficients (β6) from both the regression and the bootstrap analysis did not 
overlap with zero, indicating that fish Hg in these reservoirs is declining with time. Since 
the beginning of HOS-operation, fish Hg has decreased in GR and SCR by 0.15 ± 0.02 
mg/kg∙yr and 0.02 ± 0.007 mg/kg∙yr, respectively. This translates to decreases in Hg 
concentrations of 100 mm largemouth bass of about 55% in GR over seven years and 
37% in SCR over five years of HOS operation.  
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Figure 1-5: Comparison of 100 mm length-standardized fish measured pre- and post-HOS operation. Fish 

were length-standardized using the “averaging” method described in Monson (2009). See Table A2 for 
statistical results. Numbers are sample size per group.   

 

1.6 Discussion 
1.6.1 Oxygenation of Profundal Zone 

Line-diffuser HOS was effective in oxygenating bottom waters in three of the four 
study reservoirs. DO concentrations were near or exceeded saturation throughout the 
profundal zone in AR, GR, and SCR. In contrast, the HOS in CR failed to overcome 
hypoxia (< 2 mg/L). The delivery capacity of the CR HOS (675 kg O2/day) was designed 
to exceed oxygen demands of 310 kg O2/day, estimated using water column DO 
depletion rates from 1999-2002 (Brown and Caldwell, 2005). The original calculation 
appears to have underestimated true reservoir oxygen demands, which are highest in CR 
due to its large sediment surface area, longer water residence time, elevated trophic 
status, and weaker stratification.  

Several factors may account for the relatively high oxygen demand in CR. CR is 
the most eutrophic reservoir studied, with notably higher nutrient and phytoplankton 
concentrations that increased during reservoir oxygenation (Fig. A3) (Seelos, 2017). 
Primary productivity increases sediment oxygen demand by supplying labile organic 
carbon and nutrients to the profundal zone, where they stimulate microbial respiration 
(Beutel, 2003). It is plausible that the increased algal productivity observed in CR during 
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HOS operation stimulated additional oxygen demand. Additionally, the mean increase in 
bottom water temperature of 2.4 ˚C during HOS operation is expected to increase 
sediment oxygen demand by around 20% (Zison et al., 1978). Increased turbulence and 
DO concentration at the sediment-water interface can enhance oxygen flux into sediment, 
a phenomenon known as induced oxygen demand (Beutel, 2003; Gantzer et al., 2009). 
This is especially the case in reservoirs like Calero which has a relatively small 
hypolimnion thickness (i.e., high sediment area to volume ratio). In these reservoirs much 
of the settling organic matter deposits on the sediment where it can induce oxygen 
demand (Beutel, 2003). Weakly-stratified reservoirs like Calero may also experience 
decreased retention of added oxygen by losing added oxygen to the upper water column 
(Moore et al., 2015).  

 
While HOS was generally effective in enhancing DO in bottom waters, ORP 

exhibited counter-intuitive patterns. Line-diffuser HOS affected water chemistry in the 
profundal zone by oxidizing reduced compounds, altering microbial processes, and 
mixing some profundal waters throughout the water column. Surprisingly, profundal 
ORP either decreased or was unchanged during HOS operation. A shallow Georgia 
(USA) reservoir also exhibited lower ORP in surface and bottom waters during line 

Figure 1-6: Raw Fish Hg data (black dots) and multiple regression model fitted to 100 mm fish length. 
Guadalupe and Stevens Creek reservoirs have significant declining trends in fish Hg since the beginning of 

HOS operation. (Gaps in monitoring, e.g., 2013-2015, were due to drought.) 
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diffuser HOS operation (Dr. David Austin, personal communication, 6/18/2020). This 
phenomenon may reflect enhanced mixing at the sediment-water interface, which could 
induce additional oxygen demand and release of reduced compounds from the sediments 
into the water column (Beutel, 2003). Delayed oxidation of Mn(II), and precipitation of 
Fe(II) and sulfide released from sediments could create the appearance of reduced 
conditions and potentially give relatively low ORP readings under oxygenated 
conditions. This agrees with other studies showing continued release of sulfate (Duvil et 
al., 2018) and reduced metals from sediments under aerobic conditions (Gächter & 
Wehrli, 1998; Beutel et al., 2014). While our data suggests that some alteration of redox 
processes at the sediment-water interface did occur, these effects appear to be obscured 
by mixing and dilution of redox-sensitive compounds in the hypolimnetic water column 
caused by HOS-induced turbulence. 

 
1.6.2 Water Quality Impacts during HOS Operation 

Water quality in reservoirs generally declined after HOS operation, results that 
differ from other studies (Beutel and Horne, 1999; Horne et al., 2019). Line-diffuser HOS 
appears to have introduced profundal compounds into the upper water column through 
enhanced mixing at the thermocline due to turbulence associated with a rising bubble 
plume along the length of the diffuser line (Gantzer et al., 2009). Despite unchanged 
profundal total phosphorus in all reservoirs except GR during oxygenation, 
concentrations increased significantly in surface waters of all reservoirs (Seelos, 2017). 
Because these reservoirs experience little to no external loading during HOS operation, 
these increases are likely internal in origin. We suggest that profundal nutrients, likely 
including phosphate, ammonia, and Fe(II), a key cyanobacteria micro nutrient, were 
transported into the photic zone with rising bubble plumes. Bottom water temperature 
increased between 2.5 ˚C and 5.5 ˚C on average during line-diffuser HOS operation. 
Notable increases in chlorophyll a and phycocyanin during HOS operation suggest that 
temperature and nutrient increases stimulated algal productivity (Correll, 1999; Singh and 
Singh, 2015; Konopka and Brock, 1978). Elevated DO saturation in surface water during 
HOS operation is additional evidence of water transfer between the profundal zone and 
surface waters, but also may be the result of higher algal productivity.  

Reservoir outlet turbidity increased in SCR during HOS operation (Fig. A6). This 
was probably due to sediment entrainment from turbulent mixing (Moore et al., 2015). 
Increased outlet temperature and turbidity present concerns when reservoirs discharge to 
waterways hosting salmonids, which are sensitive to these factors (Lehman et al., 2017). 
Though water quality may be improved during oxygenation, increases in outlet 
temperature and suspended sediment concentration could have negative effects in 
reservoir tail waters. 
1.6.3 Water Column Methylmercury  

Despite significant MeHg reductions in bottom waters, which averaged 63-85% 
across the study sites, average MeHg concentrations in the surface waters were 
unchanged in all reservoirs except SCR, where concentrations increased during HOS 
operation by 25%. MeHg in surface waters is of concern, because bioaccumulation 
occurs largely in the photic zone (Wu et al., 2019), and can be more pronounced in 
pelagic food webs (Stewart et al., 2008; Chen et al., 2014). Average water column MeHg 
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concentrations, estimated as the mass of MeHg in water column divided by total water 
storage volume, were relatively unchanged during HOS operation, except in SCR, where 
they increased. Because there is no inflow during HOS operation, observations suggest 
that HOS did not substantially reduce net MeHg production and buildup in reservoir 
waters. These results call into question the mechanism by which MeHg concentrations 
were lessened in bottom waters. It appears that the observed reductions in profundal 
MeHg concentrations were mainly due to dilution and mixing effects, as opposed to 
redox-related inhibition of methylating bacteria. In addition, MeHg production in the oxic 
water column and littoral sediments were likely not inhibited by HOS operation and may 
account for the unchanged surface water MeHg concentrations. Several studies have 
shown MeHg production in the oxic water column, often associated with settling particles 
(Eckley and Hintelmann, 2006; Achá and Hintelmann, 2012; Gascón Díez et al., 2016), 
and in littoral sediments (Krabbenhoft et al., 1998).  
MeHg accumulates in profundal waters during periods of thermal stratification, then 
enters pelagic biota during fall turnover (Slotton et al., 1995; Herrin et al., 1998). Slotton 
et al. (1995) measured 70-200% increases in juvenile largemouth bass Hg with the 
seasonal entrainment of upper hypolimnion water prior to turnover in Davis Creek 
Reservoir, a California reservoir polluted by Hg mining that discharges from the surface. 
Thus, management strategies that can decrease MeHg buildup in summertime bottom 
waters should yield lower levels of fall bioaccumulation. However, other studies have 
failed to observe increased MeHg concentrations in surface waters when lakes destratify 
(Regnell et al., 1997; Valdes et al., 2017). In our study reservoirs prior to HOS operation, 
fall reservoir destratification is unlikely to control the introduction of MeHg into our 
study reservoir food webs. Profundal MeHg concentrations typically peaked in August at 
redox potentials from 0-100 mV, then declined until destratification as highly reducing 
conditions established (e.g. GR, Fig. 1-2). This agrees with other studies noting a 
“Goldilocks” zone for MeHg production, after which sulfide inhibition and 
demethylation prevail (Benoit et al., 1999; Beutel et al., 2020; Oremland et al., 1991). By 
the time the reservoirs mixed between September and October, profundal MeHg 
decreased notably relative to the seasonal maximum concentrations, limiting MeHg 
available to the upper water column (Fig. 1-2). The study reservoirs contain bottom-
release outlets that discharged MeHg-rich profundal water constantly and acted to 
dampen MeHg buildup in bottom waters. Mass balance calculations, in which we 
compared over 200 discrete sampling dates collected before HOS operation during the 
stratified season, show that fall mixing would minimally (1-3%) increase photic zone 
MeHg concentrations, confirming that destratification is unlikely to control 
bioaccumulation in these reservoirs. HOS would be more effective in reservoirs that 
release water from the surface or mid-water column. 
 
1.6.4 Mercury Reductions in Fish Tissue 

Though only largemouth bass in AR contain Hg concentrations that are lower 
than pre-HOS data, fish Hg in GR and SCR has been declining during HOS operation 
despite an initial increase compared to pre-HOS (Fig. 1-6). Increases were likely due to 
changes in MeHg production and bioaccumulation during the peak of the California 
Drought of 2011-2017. Fish Hg could have increased in this period as a result of greater 
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MeHg production due to sulfate regeneration (Coleman Wasik, 2015; Eckley et al., 
2017), temperature increases (Callister and Winfrey, 1986), or increased autochthonous 
carbon loading from algae blooms (Bravo et al., 2017). High water temperatures may also 
increase Hg bioaccumulation by altering fish metabolism and feeding patterns (Dijkstra 
et al., 2013).  

Although this is the first study to show declining trends in fish Hg concentrations in 
oxygenated reservoirs, the mechanisms by which this occurred in GR and SCR remain 
unclear. Because surface MeHg concentrations were not significantly different during 
HOS operation and Hg concentrations in fish have declined in these reservoirs, 
bioconcentration factors have decreased. Primary productivity increased in all reservoirs 
during HOS operation. Higher phytoplankton and biomass could result in Hg reductions 
by somatic growth dilution in zooplankton (Karimi et al., 2007) and fish (Ward et al., 
2010). Additionally, increased phytoplankton and cyanobacteria given constant MeHg 
concentration may support “bloom dilution” that reduces MeHg uptake into pelagic food 
webs (Pickhardt et al., 2002). Significant increases in surface water chlorophyll a and 
phycocyanin during oxygenation may have caused reductions in fish Hg by diluting 
MeHg concentrations in phytoplankton, and encouraging rapid, efficient growth in 
zooplankton and fish. Furthermore, oxygenation of the hypolimnia likely increased 
benthic habitat area, potentially providing benthic prey with lower MeHg concentrations 
than pelagic sources (Stewart et al., 2008). The similar, short aquatic food webs of GR 
and SCR support fewer trophic linkages, which may reduce biomagnification (Cabana 
and Tremblay, 1994). Shorter food webs may also respond faster to changes in water 
chemistry, which could be the reason we have not observed lower fish Hg in AR. In 
contrast, fish Hg in CR was likely unchanged due to the poor performance of its HOS.  

 

1.7 Conclusion 
We studied effects of line-diffuser HOS on MeHg production and bioaccumulation 

in three mercury mine polluted reservoirs (Almaden, Calero, and Guadalupe Reservoirs) 
and in another (Stevens Creek Reservoir). HOS was effective at oxygenating bottom 
waters in Almaden, Guadalupe, and Stevens Creek reservoirs. The HOS at Calero 
Reservoir did not increase DO concentrations in bottom waters above hypoxic levels (< 2 
mg/L) due to the reservoir’s greater oxygen demand and lower retention of added oxygen 
in its hypolimnion. Though MeHg concentrations decreased significantly in bottom 
waters, 63% to 85% on average, concentrations in the photic zone were unchanged 
(Almaden, Calero, and Guadalupe reservoirs) or increased (Stevens Creek Reservoir). 
This may be due to enhanced exchange of profundal MeHg into the photic zone due to 
turbulent mixing caused by HOS operation, and/or continued MeHg production in the 
water column and littoral sediments. Fish Hg did not decrease in before/after comparison 
of most species, but in Stevens Creek Reservoir surface water MeHg and Hg in one of 
three fish species sampled increased, likely due to HOS operation. During four years of 
HOS operation, we observed statistically significant declining trends in fish Hg in 
Guadalupe and Stevens Creek reservoirs. We suspect that higher phytoplankton 
concentrations observed during HOS operation may have led to biodilution of MeHg, 
contributing to the observed decreases in fish Hg. 
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2 Evaluation of Manganese Oxide Amendments for Mercury 
Remediation in Contaminated Aquatic Sediments 

 

2.1 Abstract 
 Aquatic sediments are important sources of toxic methylmercury (MeHg) to the 
environment because they support anaerobic bacteria that methylate inorganic mercury 
(Hg). Common Hg remediation strategies such as sediment removal or capping can be 
prohibitively expensive or impractical when compared to in situ treatment methods 
designed to disfavor Hg methylation and increase sorption of MeHg to solids. Using 
profundal sediments from a Hg-contaminated reservoir, we assessed the effectiveness of 
Mn(IV) oxide (MnOx) amendment in decreasing porewater and sediment Hg and MeHg 
concentrations relative to sediments treated with granular activated carbon (AC) and 
unamended controls. We conducted two sediment slurry incubation experiments (0-20 
days and 0-5 days) using sediments amended with MnOx, AC, or a mixture of the two. 
X-ray absorption spectroscopy data showed that the MnOx amendments were rapidly 
reduced to Mn2+ over the course of the incubation. In both experiments, MnOx addition 
resulted in elevated oxidation-reduction potential and lower MeHg concentrations in 
porewater relative to unamended controls after 2-3 days. The MnOx amendment 
decreased porewater MeHg with similar or greater effectiveness as AC. However, 
sediments amended with MnOx released inorganic Hg into porewater in some 
experiments.  Coamendment of MnOx with sorbents could curtail diffusion of MeHg 
from aquatic sediments and slow MnOx reduction while limiting the release of 
potentially problematic byproducts such as Mn2+ and Hg(II).  
 

2.2 Introduction 
Mercury (Hg) is a global environmental pollutant that enters aquatic systems from 

natural and anthropogenic sources (Driscoll et al., 2013). Ecological and human health 
impacts of Hg pollution mainly come from exposure to neurotoxic methylmercury 
(MeHg) through fish consumption (Driscoll et al., 2013). Inorganic Hg can be 
microbially converted to MeHg in aquatic sediments (Compeau and Bartha, 1985; 
Gilmour et al., 1992). Methylmercury bioaccumulates in aquatic food webs, reaching fish 
tissue concentrations that can exceed water concentrations by six orders of magnitude 
(Pickhardt and Fisher, 2007; Lehnherr, 2014). Because trace concentrations of Hg in 
water and sediments contribute to MeHg biomagnification, remediation strategies 
emphasize decreasing the production and bioaccumulation of MeHg in addition to source 
control (Eckley et al., 2020). 

Many remediation methods for Hg have been investigated, including sediment 
capping, phytoremediation, sorbent amendments, and redox controls (Randall and 
Chattopadhyay, 2013; Chattopadhyay et al., 2012; Gilmour et al., 2013b; Matthews et al., 
2013; Vlassopoulos et al., 2018; Leven et al., 2018; Beutel et al., 2020; Seelos et al., 
2021). Redox buffering aims to thermodynamically disfavor MeHg formation by poising 
the redox state at the sediment-water interface above potentials that favor iron and sulfate 
reduction, two processes associated with microbial Hg methylation (Gilmour et al., 
2013a). Aqueous calcium nitrate addition and reservoir oxygenation have been used in 
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lakes to attempt to curtail MeHg production and bioaccumulation (Matthews et al., 2013; 
Seelos et al., 2021). Solid phase sediment amendments have potential advantages over 
aqueous and gas phase additions because they can be relatively inexpensive, may require 
less frequent application, and combine redox buffering and adsorptive properties.  

Sorbent amendments have been studied extensively for remediation of metals and 
organic pollutants. Many sorbents are available, including activated carbon (AC), 
biochar, surface functionalized substrates, and modified clays (Ghosh et al., 2011; 
Goñez-Rodriguez et al., 2021). Activated carbon has been applied extensively for aquatic 
remediation of organic contaminants and metals (Ghosh et al., 2011; Patmont et al., 
2015). Gilmour et al. (2013b) found that AC amendments lowered porewater Hg and 
MeHg concentrations, as well as MeHg uptake by oligochaete worms in experimental 
microcosms using contaminated sediments. A field trial showed that a thin-layer AC cap 
decreased porewater Hg and MeHg in salt marsh sediments (Gilmour et al., 2018). 
Activated carbon amendments may reduce net Hg methylation by decreasing the 
bioavailability of Hg(II) to bacteria, or decrease biotic uptake by of MeHg by keeping it 
bound to solids (Wang et al., 1998; Bussan et al., 2016). 

Amendment with reactive manganese (IV) oxide (MnOx) is a novel strategy for in situ 
Hg remediation that may decrease MeHg production and release from sediments 
(Vlassopoulos et al., 2018; Leven et al., 2018). Manganese oxide (ideally MnO2(s) but 
often non-stoichiometric) has been studied extensively for its ability to oxidize organic 
contaminants (Remucal and Vogel, 2014). Manganese oxide is also used in water 
treatment for its ability to sorb cations and oxidize organic compounds (Islam et al., 
2018; Husnian et al., 2020). Because the reduction of MnOx occurs at higher redox 
potentials than microbial processes associated with Hg methylation (i.e., Fe(III) or sulfate 
reduction), MnOx addition should thermodynamically disfavor MeHg production (Table 
B1). Additionally, MnOx surfaces can efficiently sorb Hg(II) and MeHg, potentially 
decreasing bioavailability (Thanabalasingham et al., 1985; Desauziers et al., 1997). 
Manganese oxide amendments have been shown to decrease MeHg concentrations in 
bacterial cultures, lake sediments, and sediment porewater (Vlassopoulos et al., 2018; 
Farrel et al., 1998; Jackson et al., 1989). However, MnOx amendments have not been 
employed in field settings for Hg remediation to date. 

In this laboratory study, we evaluated the use of MnOx amendments for 
remediation of Hg-contaminated reservoir sediments compared to unamended controls 
and sediments amended with AC in short-term experiments (up to 20 days). Unlike past 
studies using MnOx amendments that primarily focused on porewater or sediments alone, 
our work compares the roles of sorption and redox buffering in reducing the 
concentrations of Hg and MeHg in porewater, and comprehensively investigates resulting 
changes in porewater and sediment chemistry, as well as the transformation and fate of 
the amendments. As opposed to our previous work using fifteen-month static incubations 
with a sediment-water interface, these short-term experiments were designed to examine 
in detail changes in porewater chemistry immediately after amendment addition that 
influence Hg methylation and dissolved concentrations of Hg and MeHg. 
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2.3 Methods 
2.3.1 Sediment Incubations 

We collected profundal sediment and water samples from a surface water 
reservoir (Guadalupe Reservoir, San Jose, CA, USA) contaminated by historical Hg 
(cinnabar) mining in June 2019 and November 2019 (see Text B1 and Fig. B1a-d for site 
description and field methods). We conducted two sediment slurry incubation 
experiments using the profundal sediments amended with solid phase additions (Table 2-
1). Amended treatment groups included AC (granular activated carbon, Fisher Chemical, 
CAS: 7440-44-0), Mn (Carus Corporation Carulite® manganese oxide), or Mn+AC (1:5 
mixture of AC and MnOx). Experiment 1 (E1) had longer incubation time intervals (0, 3, 
10, and 20 days) than Experiment 2 (E2) (0, 0.5, 1, 2, and 5 days). Furthermore, all E2 
treatment groups except C (unspiked control) contained additions of labile organic carbon 
and sulfate to stimulate sulfate reduction and Hg methylation (see below).  

2.3.2 Experiment 1  
Experiment 1 (E1) used sediments collected in June 2019. We homogenized 4 kg 

of reservoir sediments in clean, high-density polyethylene (HDPE) buckets specific to 
each treatment group (C, AC, Mn, Mn+AC; Table 2-1). The control (C) treatment 
contained no added amendment. The Mn treatment bucket contained a Carulite addition 
of 5% by dry weight, a common dose for sorbent sediment amendments (Ghosh et al., 
2011; Kwon et al., 2010; Sanders et al., 2018). The AC contained 1% granular activated 
carbon by dry weight. The lower amendment percentage in the AC treatment was 
intended to adjust for the higher specific surface area of the granular activated carbon 
compared to the Carulite®, which was estimated to be five times larger based on the 
manufacturers’ reported values. The Mn+AC bucket contained 0.83% AC and 4.17% 
Carulute® by dry weight. Filtered profundal water was added to the Mn, AC, and 
Mn+AC groups to adjust their solids:liquid ratios to the same value as the C group.  
Sediment slurry mixtures from each treatment were split into triplicate sets (320 grams 
each) and transferred to 250 mL polypropylene copolymer centrifuge bottles (PPCO), 
with a separate set for each time step (0, 3, 10, and 20 days). Further details for 
experimental setup are given in Text B2. Each set of bottles was held in the dark at 12 ˚C 
for the duration of the incubation before solid/liquid separation by centrifugation at 
24,000 g and 4 ˚C for twenty minutes. Supernatant solutions were removed by pipette and 
processed as described in Text B3. Though day 0 samples were centrifuged immediately 

Experiment Treatment Amendment Amendment Conc. Spike Time Steps
C NA NA

Mn Carulite® MnO2 5% Dry Basis
AC Granular Activated Carbon 1% Dry Basis

Mn + AC Carulite + Activated Carbon 5% of 5:1 Mn:AC
C NA NA NA

C* NA NA
Mn* Carulite® MnO2 5% Dry Basis
AC* Granular Activated Carbon 1% Dry Basis

Mn+AC* Carulite + Activated Carbon 5% of 5:1 Mn:AC

E1
0d, 3d,

10d, 20d

E2
0d, 0.5d,

1d, 2d, 5d
123 mg/L Acetate
181 mg/L Pyruvate
300 mg/L Sulfate

NA

Table 2-1: Design parameters of Experiment 1 (E1) and Experiment 2 (E2). The asterisk (*) denotes DOC 
and sulfate addition. 
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following amendment addition, homogenization, and bottling (~10 minutes elapsed time 
from amendment addition), reaction occurred during this time that caused variability in 
the day 0 samples between treatment groups.  Baseline values for unamended sediments 
are best represented by day 0 of the C group.  

 
2.3.3 Experiment 2  
 Procedural details of Experiment 2 (E2) were the same as E1, but with three 
differences. Firstly, the sediments used were collected in November 2019 when the 
reservoir was mixed and oxygenated throughout (Text B1). Secondly, the incubation 
durations were shorter, at 0, 0.5, 1, 2, and 5 days, to capture near-term patterns of Hg 
transformations. Thirdly, all treatments except the C group contained additions of labile 
organic carbon (acetate and pyruvate) and sulfate to stimulate Hg methylation and 
microbial activity (see Text B4 for spike preparation). These “spiked” treatments are 
designated with an asterisk (*). Five kg of reservoir sediments were homogenized in 
clean high-density polyethylene (HDPE) buckets specific to each treatment group (C, C*, 
AC*, Mn*, Mn+AC*). The C and C* groups contained no solid additions. Solid 
amendments were added to treatment groups as described for E1 to yield 5% amendment 
by dry weight in the Mn* and Mn+AC* groups, and 1% by dry weight in the AC* group. 
The organic carbon/sulfate solution (78.125 mL) was added to each bucket for the spiked 
treatment groups, yielding approximate sediment porewater additions of 1.5 mM acetate, 
1.6 mM pyruvate, and 3.2 mM sulfate. We homogenized the mixture and transferred 320 
grams of slurry for each treatment to triplicate sets of 250 mL PPCO centrifuge bottles, 
with a separate set for each time step (0, 0.5, 1, 2, and 5 days). Each set of bottles was 
incubated and treated the same as described for E1. 
 
2.3.4 Chemical Analysis 
 We analyzed total Hg in water by oxidation, purge and trap, and cold vapor 
atomic fluorescence spectrometry (CVAFS) (U.S. E.P.A., 2002). Total Hg in sediments 
was analyzed by thermal decomposition, amalgamation, and atomic absorbance 
spectrophotometry (U.S. E.P.A., 2007a). We extracted MeHg from water samples by 
distillation for three hours at 125 ˚C under Hg-free nitrogen flow using 
polytetrafluoroethylene (PTFE) vessels. We extracted MeHg from sediments by digesting 
in 2 mL of 25% KOH in methanol for four hours at 60 ˚C followed by centrifugation at 
1200 g and 4 ˚C for fifteen minutes (Liang et al., 1994). Sediment and water MeHg 
extractions were adjusted to ~pH 4.9 using a sodium acetate buffer, ethylated using 
sodium tetraethylborate, then analyzed using purge and trap followed by CVAFS (U.S. 
E.P.A., 1998). We followed strict quality control standards for low level Hg and MeHg 
analysis, including method blanks, matrix spikes/matrix spike duplicates (acceptable 
range = 75%-125% recovery), and check standards (acceptable range = 75%-125% 
recovery). Further details about Hg and MeHg analysis are included in Text B5 and Table 
B2. We analyzed anions (Cl⁻, SO4

2-) using ion chromatography (U.S. E.P.A., 1993)  
 
 Metals (Fe, Mn, K, Ca, Mg) were analyzed using inductively coupled plasma 
optical emission spectrometry (ICP-OES) (U.S. E.P.A., 1994). Total sediment Mn and Fe 
concentrations were determined by microwave digestion of representative aliquots (~ 20 
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mg) with 12 mL of aqua regia (3 parts 12 N HCl, 1 part 15.8 M HNO3) followed by ICP-
OES analysis of digestates (U.S. E.P.A., 2007b). Extraction of sediments to estimate Mn 
and Fe in reducible oxide phases was done by addition of 6 mL of 0.5 M hydroxylamine 
hydrochloride (HHCl) to 150 mg of wet sediment in PPCO centrifuge tubes (Helmhart et 
al., 2012). The samples were placed on an orbital shaker table for 16 hours, then the 
solution was extracted by centrifugation at 1200 g and 4 ˚C for 15 minutes, filtered, and 
analyzed by ICP-OES. To determine moisture content of the sediments, ~1 g aliquots 
were dried in an incubator at 104 ˚C for 24 hours, weighed, and converted to dry weight. 
All sediment analyte concentrations are reported as dry weight equivalents. 
 
 Dissolved Organic Carbon (DOC) in filtered porewater was analyzed using a 
Shimadzu® TOC-5000A total carbon analyzer (U.S. E.P.A., 2009). We estimated 
organic carbon content in dry sediments by loss on ignition at 550 ˚C for 4 hours. Quality 
assurance data for metals, DOC, and anions are included in Table B3. 
 
2.3.5 Amendment and Sediment Manganese Characterization 

Amendment surface areas were measured by the BET method. Approximately 0.5 g 
of amendment was weighed and degassed with an ultra-high purity nitrogen for 6 hours 
and the BET specific surface area was measured with a Micromeritics Tristar II PLUS. 
Powder XRD was conducted using a Philips X’pert MPD diffractometer equipped with 
an ultrafast X’Celerator detector and with a Ni-filtered Co Kα radiation source (λ=1.78 
Å) operated at 50 kV and 40 mA. Samples were mounted on zero background Si holders 
and scanned from 4 to 80 degrees 2θ at 0.01-degree 2θ steps. Carulite® (MnOx) 
amendment and sediment samples were characterized using Mn K-edge X-Ray 
Absorption Spectroscopy (XAS) on BL 4-1 at the Stanford Synchrotron Radiation 
Lightsource (SSRL) with samples held in a liquid N2 cryostat. We averaged multiple 
scans using SIXPack before fitting spectra using least squares linear combination fits 
(LCF) with standards described in Table B4 and Fig. B1 (Webb, 2005; Ravel and 
Newville, 2005). Further details on XAS analysis are included in Text B6. 
 

2.4 Results   
2.4.1 Reservoir Sediment Characterization 

The sediments used in the two experiments were similar, with total Hg 
concentrations around 1.5 mg/kg, native total Mn concentrations around 1.5 g/kg, and 
similar organic carbon content (LOI around 10%) (Table B5). However, total Fe 
concentrations were over twice as high in sediments used for E2 (44.19 g/kg) compared 
to E1 (19.86 g/kg). Nearly all Mn (80-98%) in the sediments was extractable with HHCl 
while only 20-40% of Fe was HHCl-extractable, resulting in the same amount of 
extractable Fe in both experiments (Table B5). X-ray absorption spectra of Mn in 
sediments from E1 and E2 were nearly identical (Fig. B2). Although spectra could not be 
fit quantitatively by linear combinations of reference spectra, the native sediment Mn 
appears to be comprised of Mn(II) with small fractions of Mn(III) and/or Mn(IV), likely 
incorporated into other minerals. Sorbed Mn(II) or amorphous solids were likely 
extracted during the acidic HHCl digestions.  
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2.4.2 Amendment Characterization 
 X-ray absorption spectra of the Carulite© MnOx amendment were similar to the 
spectrum of synthetic vernadite (δ-Mn(IV)O2) (Fig. B3). Vernadite is a disordered 
Mn(IV)O2 polymorph comprised of randomly stacked octahedral sheets of MnO6 that 
contain a negative structural charge due to cation vacancies (Villalobos et al., 2003). 
Characterization by powder XRD suggested that the MnOx amendment was disordered, 
with no significant peaks in the diffractogram (Fig. B4). The surface areas of the 
Carulite® MnOx and granular activated carbon amendments were measured at 92.27 
m2/g and 807.71 m2/g, respectively. Total Hg concentrations in the amendments were 
negligible compared to the native sediment:  2.44 ± 0.37 µg/kg (mean ± SD, n=3) in the 
MnOx amendment and 1.48 ± 0.06 µg/kg in the AC. 
 
2.4.3 Experiment 1 
2.4.3.1 Mercury and Methylmercury in Sediment and Porewater 

Day-0 samples showed notable variability between treatment groups, resulting 
from both natural heterogeneity of contaminated sediments and reaction of the sediments 

Figure 2-1: Total mercury (Hg) and methylmercury (MeHg) in filtered porewater (A) and sediment (B) of 
Experiment 1 (E1). Log(Kd) describes the partitioning of MeHg between the aqueous and solid phases. 

Error bars show standard error (sd/√n; n=3). 
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with the amendments during preparation of the incubations. Total Hg in porewater varied 
substantially between treatment groups. In the AC group, porewater total Hg decreased 
from about 210 ng/L at time zero to <30 ng/L after day 3 (Fig. 2-1A). Sediments 
amended with MnOx experienced substantial release of inorganic Hg into solution, with 
measured porewater concentrations up to 262 ng/L in the Mn group and 620 ng/L in the 
Mn+AC group compared with 60 ng/L in the control. Sediment amendment with MnOx 
or AC decreased porewater MeHg concentrations relative to the unamended control after 
20 days of incubation, particularly in the AC treatment (Fig. 2-1A). Relatively large (1-2 
ng/L) decreases in porewater MeHg occurred in the amended groups relative to the 
control during preparation of the incubations. MeHg concentrations in solids were 
generally higher in sediments amended with MnOx, and especially so for AC, compared 
to the C group (Fig. 2-1B). Sediment MeHg increased steadily throughout the experiment 
in the AC treatment, reaching 9 ng/g by day 20. Slurries amended with MnOx (Mn, 
Mn+AC) peaked in sediment and porewater MeHg concentrations at day 3, then declined 
through the remainder of the incubation period, but remained slightly higher than the C 
group.  

 

Figure 2-2: Figure 2. Oxidation-Reduction Potential (ORP) and pH in filtered 
porewater of Experiment 1 (A) and Experiment 2 (B). 
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Percent MeHg relative to total Hg ([MeHg]/[Hg]*100, %MeHg) was considerably 
lower in porewater of treatments containing MnOx than in the C or AC groups (Fig. B5). 
Percent MeHg in the whole slurry (calculation explained in Text B7) increased 
throughout the experiment in the AC group, but remained relatively constant in the C, 
Mn, and Mn+AC groups aside from a peak at day 3 in groups containing MnOx. Whole 
slurry %MeHg was generally higher in groups containing MnOx than in the C group. 
Dissolved organic carbon (DOC) in porewater was much lower in all treatment groups 
(<3.5 mg/L) than in the control (>9 mg/L) (Fig. B6). Oxidation-reduction potential was 
around -100 mV in the C and AC groups but increased above 0 mV in the Mn and 
Mn+AC treatments (Fig. 2-2). Porewater pH in the Mn and Mn+AC groups reached a 
steady state of around 7.5 after dropping below 7 initially (Fig. 2-2). 

 

 

Figure 2-3: Linear combination fits of XANES (left) and EXAFS (right) spectra measured on sediments from 
the Mn and Mn+AC treatments of Experiment 1 after 3, 10, and 20 days of incubation. Percentages show 

normalized fit percentages for each compound, rounded to the nearest integer. Reference compounds used 
for fits are given in Fig. B1 and numerical data for fit results are reported in Table B6. 
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2.4.3.2 Transformation of MnOx Amendment 
The MnOx amendment was progressively reduced to Mn(II) over the course of 

E1. Linear combination fitting of Mn reference compounds to X-Ray Absorption Near 
Edge Structure (XANES) and Extended X-ray Absorption Fine Structure (EXAFS) 
spectra measured on dry sediments from the Mn and Mn+AC groups showed decreases in 
the Mn(IV) amendment signal between day 3 and day 20 coupled with increases in 
Mn(II) species (Fig. 2-3, Table B6). The amendment signal consisted of the measured 
spectra of the MnOx amendment and a synthetic sodium birnessite, which has a spectrum 
similar but not identical to dry MnOx (Carulite® MnO2) and vernadite (Fig. B1). We 
believe that hydration and cation exchange of the interlayer regions of the MnOx 
amendment during incubation yielded an XAS spectrum that partially resembled 
birnessite, which has a layered structure similar to vernadite (Villalobos et al., 2003). The 
products of Mn(IV) reduction retained in the solid phase are represented in the XAS 
spectra as variable relative fractions of Mn2+(aq.) and native sediment Mn (Fig. 2-3, 
Table B6). In sediments with MnOx treatment, the amendment fraction decreased from 
~90% at day 3 to ~30% at day 20 of the total normalized Mn signal, while the reduced 
Mn(II) fraction increased proportionally (Fig. 2-3). This change in the solid phase 

Figure 2-4: Total mercury and methylmercury in filtered porewater (A) and sediment (B) of Experiment 2 
(E2); asterisk (*) indicates addition of sulfate and dissolved organic carbon (as acetic acid and Na-pyruvate). 
Log(Kd) describes the partitioning of methylmercury between the aqueous and solid phase. Error bars show 

standard error (sd/√n; n=3). 
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coincided with increasing concentration of dissolved Mn in porewater, up to 23 mg/L at 
day 20 (Fig. B6). In sediments from the Mn+AC group, the MnOx amendment signal 
comprised a smaller proportion of the XANES and EXAFS spectra, likely because less 
MnOx was added initially. The amendment signal decreased from ~63% of the spectra at 
day 3 to ~8% at day 20 (Fig. 2-3). Meanwhile, porewater Mn reached 15 mg/L by the end 
of the experiment (Fig. B6).  
Experiment 2 
2.4.3.3 Mercury and Methylmercury in Sediment and Porewater 

In a second set of shorter incubation experiments (0-5 days) with sulfate and DOC 
addition, we observed stimulation of MeHg production in incubated sediments. In the 
control (C) group with no addition, MeHg in sediment and porewater remained relatively 
constant after the first 24 hours (Fig. 2-4). However, in the C* group (containing a spike 
of organic acids and sulfate) MeHg increased throughout the incubation period, with 
concentrations in sediment and porewater about 2-3 times higher than the C group. 
Porewater MeHg increased notably in the first 24 hours before leveling off around 3 ng/L 
while sediment MeHg increased steadily throughout the experiment.  

 
 Both AC and MnOx amendments decreased MeHg in porewater relative to the C* 
incubations (Fig. 2-4). Porewater MeHg concentrations in all amended groups (AC*, 
Mn*, Mn+AC*) remained around 0.5 ng/L, while porewater MeHg in the C* group 
exceeded 2.5 ng/L after 12 hours. However, sediment MeHg was elevated in Mn* and 
AC* treatments relative to the C group. In the Mn* and AC* groups, sediment MeHg 
concentrations were initially low, but increased throughout the incubation until becoming 
similar to C* at day 5 (Fig. 2-4). Sediment MeHg in the Mn+AC* group was lower than 
in groups amended with MnOx or AC alone and similar to C incubations, remaining 
below 6 ng/g for the entirety of the experiment. Total Hg exhibited contrasting patterns in 
the different treatment groups. Total Hg in porewater of the AC* group declined from 90 
ng/L at 12 hours to 39 ng/L by day 5. In the Mn* group, total Hg increased in porewater 
throughout the experiment, but concentrations remained less than half of what we 
observed on day 3 in the Mn group of E1. In the Mn+AC* group, total Hg in porewater 
decreased to ~30 ng/L after 1 day before rebounding to ~80 ng/L at day 5. Percent MeHg 
was considerably lower in porewater of amended treatment groups (Mn*, AC*, 
Mn+AC*) compared to C*, but whole slurry %MeHg was similar in the C*, Mn*, and 
AC* groups (Fig. B5). Whole slurry percent MeHg was similar in the C and Mn+AC* 
groups. 
 
2.4.3.4 Porewater Chemistry 
 Porewater chemistry was similar in the C* and AC* groups, and likewise in the 
Mn* and Mn+AC* groups. The C* group had considerably higher porewater 
concentrations of Mn and Fe than the C group (Fig. 2-5). The addition of organic acids in 
E2 resulted in differences in aqueous complexation and sorption of cations between the 
two experiments. Other redox-sensitive compounds likewise varied among the 
treatments. In the C* and AC* groups, porewater sulfate decreased throughout the 
experiment (Fig. 2-5). However, in groups containing MnOx, sulfate concentrations were 
equal to or higher than the added sulfate concentration at the end of the experiment. Iron 
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was removed from solution in groups containing MnOx, with no detectable Fe in 
porewater after 12 hours (Fig. 2-5). Oxidation-Reduction Potential was higher in the Mn* 
and Mn+AC* groups than in the other treatments after 1 day, indicating conditions more 
favorable to oxidation (Fig. 2-2). Porewater pH in the AC* group was initially low 
(~6.75) but increased to resemble the C* group after 12 hours of incubation (Fig. 2-2). In 
groups containing MnOx, pH increased from <6.75 at day 0 to near-steady state 
conditions of around 7.5 by day 5 (Fig. 2-2). Dissolved organic carbon remained constant 
in the C group, at around 15 mg/L (Fig. 2-5). In the C* and AC* groups, DOC declined 
throughout the experiment until it reached a similar concentration as the C group. In the 
Mn* and Mn+AC* treatments, DOC increased after 12 hours of incubation before nearly 
depleting at day 5. 

 
2.4.3.5 Transformation of MnOx Amendment 

Similar to E1, the loss of the MnOx amendment observed in Mn XAS analysis of 
E2 sediment spectra coincided with the appearance of Mn(II) reduction products. The 
amendment signal (MnOx amendment + sodium birnessite) decreased from ~90% of the 

Figure 2-5: Dissolved organic carbon (DOC) and redox-sensitive analytes in filtered porewater of Experiment 
2. The red line reflects the added DOC (acetate and pyruvate) and sulfate concentration in spiked 

treatments. Non-detect values are not shown. 
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fitted spectral components at day 0 to ~40% in the Mn* group and ~60% in the Mn+AC* 
group at day 5 (Fig. B7, Table B7). Meanwhile, the spectral relative fraction of reduced 
Mn species (native sediment Mn + Mn2+) increased from ~11% at day 0 to ~60% in the 
Mn* group and ~40% in the Mn+AC* group at day 5. We did not observe the formation 
of Mn(II) mineral phases in E1 or E2. Loss of the MnOx amendment signal coincided 
with accumulation of dissolved Mn in porewater. Porewater Mn increased throughout the 
experiment, reaching about 40 mg/L in the Mn* group and 35 mg/L in the Mn+AC* 
group at day 5, notably higher concentrations than were observed in E1 (Fig. 2-5 and Fig. 
B6).  
 

2.5 Discussion 
2.5.1 Effects of MnOx Amendments on MeHg and Hg Concentrations   

In E1 and E2, reservoir sediments were amended with MnOx and/or AC, which 
influenced the sediment-porewater biogeochemistry. Both experiments showed changes 
in porewater chemistry that were most notable during the first 2-3 days of incubation. In 
groups containing MnOx, porewater had higher measured ORP and pH compared to 
control experiments. In groups amended with AC, ORP and pH returned to resemble 
control groups after day 0. The most notable changes in Hg, MeHg, and redox-sensitive 
species occurred during the initial perturbation. 

 
Methylmercury concentrations in the solid phase of sediments amended with 

MnOx were generally similar to or greater than concentrations in the control groups. 
Sorption of MeHg from the aqueous phase would have a negligible effect on MeHg 
concentrations in solids, which are three orders of magnitude higher than MeHg 
concentrations in porewater. In E2, increases in sediment MeHg in MnOx-amended 
sediments could be attributed to Hg methylation during the first ~24 hours when ORP 
measurements indicated negative potentials, similar to AC treatments and controls. In E1, 
elevated porewater and solid phase MeHg in MnOx-amended sediments at day 3 could be 
the result of short-term MeHg production fueled by increased porewater Hg, sulfate, or 
labile DOC released through oxidation reduced compounds by MnOx. In the Mn* and 
Mn+AC* groups of E2, a shift to positive ORP at day 2, increasing sulfate 
concentrations, and the absence of Fe(II) in porewater suggest that sulfate and iron 
reduction were not favorable processes for the remaining time steps. Because iron and 
sulfate reduction are the two microbial processes most associated with net Hg 
methylation in aquatic systems, the inhibition of these processes should likewise disfavor 
MeHg formation (Gilmour et al., 2013a; Parks et al, 2013; Fuhrmann et al., 2021). 
Similarly in E1, high concentrations of porewater Hg and a shift to positive ORP in 
porewaters following day 3 indicate the establishment of oxidizing conditions.  

Sediment amendment with MnOx or AC (or both) generally decreased MeHg 
concentrations and %MeHg in porewater, particularly in the Mn+AC* group of E2. This 
result agrees with previous studies that documented similar results highlighting the 
importance of both sorption and redox control in lowering dissolved MeHg 
concentrations (Gilmour et al., 2013b; Vlassopoulos et al, 2018). Porewater MeHg 
concentrations were similar (within 1 ng/L) regardless of the amendment used (MnOx, 
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AC, or both). Methylmercury partitioning from sediment to porewater can increase 
diffusion into overlying water, thereby enhancing accumulation in benthic biota (Wang et 
al., 1998; Williams et al., 2010). Thus, the decreases in porewater MeHg observed in the 
amendment experiments with MnOx or AC could lower the potential for MeHg 
bioaccumulation in aquatic systems.  

 
2.5.2 Sediment Oxidation and Hg(II) Release by MnOx Amendment 

Manganese (IV) oxides are strong oxidants with the potential to react with a wide 
variety of organic and inorganic compounds (Remucal and Vogel, 2014). We observed 
several lines of evidence suggesting oxidation of sediment and porewater species by the 
MnOx amendment. Iron was removed from solution in the Mn* and Mn+AC* treatments 
of E2, accompanied by a drop in pH at day 0 relative to the control groups (Fig. 2-2, Fig. 
2-5). Iron (II) present in porewater was probably oxidized to Fe(III) by the MnOx 
amendment, subsequently precipitating with OH- as ferric oxyhydroxides and initially 
lowering porewater pH (Schaefer et al., 2017). 

Porewater sulfate increased above the added sulfate concentration in the Mn* 
group of E2, suggesting that sulfide (aqueous or solid phase) was oxidized by MnOx 
(dissolved sulfide was not measured) (Schippers and Jorgenson, 2001). We observed 
notable losses of DOC from porewater of sediments amended with MnOx and AC. Loss 
of DOC from porewater could be attributable to abiotic and/or microbial oxidation with 
MnOx addition, or sorption to either MnOx or AC. Dissolved organic carbon is a key 
constraint on Hg cycling in sediments, as it influences both microbial activity and Hg 
bioavailability (Ravichandran, 2004; Hsu Kim et al., 2013). Manganese oxides have been 
found to increase the lability of natural organic matter by oxidizing it to lower-molecular 
weight substrates that can be used during microbial metabolism (Sunda and Kieber, 1994; 
Stuckey et al., 2018). In sulfide-free environments, complexation with DOC can decrease 
the bioavailability of Hg(II) to methylating bacteria under equilibrium conditions 
(Miskimmin et al., 1992; Barkay et al., 1997; Chiasson-Gould et al., 2014). Thus, the 
abiotic oxidation of DOC in porewater is of particular concern because it has the potential 
to increase MeHg production by increasing the bioavailability of both DOC and Hg. We 
conducted an experiment to investigate abiotic reductive dissolution of MnOx by DOC 
(Text B8). Our results indicated that, while minor oxidation of DOC occurred, the 
primary loss mechanism of DOC was sorption to the mineral surface. Thus, decreasing 
DOC concentrations throughout the experiment most likely represent a mixture of 
microbial oxidation and sorption.  

Of concern, MnOx released inorganic Hg into porewater, with 200-620 ng/L of 
total Hg measured in the Mn and Mn+AC groups of E1 (Fig. 2-1). However, increased 
concentration of dissolved Hg in either MnOx or AC amended experiments relative to 
controls was not observed in E2 (Fig. 2-4), which points out the variability in reactive Hg 
in natural sediments. Mn(IV)O2 likely oxidized sulfide minerals, elemental mercury, 
and/or natural organic matter containing Hg, releasing Hg(II) into solution and increasing 
its mobility (Schippers and Jorgenson, 2001; Stuckey et al., 2018; Duvil et al., 2018; 
Miller et al., 2015). Increased Hg(II) and sulfate in solution could potentially stimulate 
MeHg production if reducing conditions are reestablished. However, oxidizing conditions 
with low DOC are not conducive to Hg methylation. This was evident in our experiments 
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by relatively little change in sediment and porewater MeHg following the establishment 
of oxidizing conditions despite high concentrations of inorganic Hg in porewater. 
 
2.5.3 Fate of MnOx Amendment 

Results of XAS linear combination fits of reference spectra to MnOx-amended 
sediment spectra suggest that the MnOx amendment reductively dissolved throughout the 
experiment. The major reduction product was Mn2+ as an aqueous or sorbed species and 
not as a solid phase, and Mn2+ concentrations in porewater increased over the course of 
the experiments. Most of the Mn2+ released by reduction of the amendment appeared to 
subsequently sorb to solid surfaces, which is expected for the porewater pH (Lefkowitz 
and Elzinga, 2015). Nonetheless, porewater Mn concentrations doubled in the Mn* and 
Mn+AC* groups relative to C*. Leven et al. (2018) observed the formation rhodochrosite 
(MnCO3) in MnOx-amended sediments after 10 months of incubation. Equilibrium 
calculations using PhreeqC indicated that MnCO3 is thermodynamically oversaturated in 
the Mn* group throughout E2, but we did not detect MnCO3 in the XAS spectra (Text 
B9). This is likely due to the slow precipitation kinetics of rhodochrosite and low 
practical detection limit of XAS using the LCF approach (usually ~5% of the total Mn 
signal) (Leven et al., 2018; Jensen et al., 2002). It is probable that, in a longer-term 
incubation, Mn(II) reduction products would be stabilized as MnCO3 in these sediments. 
However, in a natural system, Mn2+ may be lost to overlying waters by diffusion. 

The MnOx amendments dissolved rapidly during our short-term incubation 
experiments. In environmental applications, it is important that Mn(IV) reduction occurs 
slowly to maintain relatively oxidized sediment-porewater conditions and avoid frequent 
amendment reapplication. In E1, only ~7-30% of the amendment signal remained after 20 
days of reaction, and in E2 just 40-60% of the amendment signal remained after 5 days 
(Fig. 2-3, Fig. B7). In 15-month mesocosm experiments using pyrolusite, Leven et al. 
(2018) observed an amendment loss of only 27% after four months of incubation. 
However, our MnOx amendments were rapidly reduced to Mn(II). This is probably due 
to their high surface area and disordered structure that promotes rapid dissolution 
compared to a crystalline material, and because the slurry experiments of this study had 
much greater solid-water contact compared to the mesocosm experiments that employed 
a static sediment-water interface (see Vlassopoulos et al., 2018 for experimental details). 
To avoid rapid depletion of added MnOx, proper dosing should be calculated so that the 
amendment’s oxidative capacity exceeds the reducing ability of the sediments. Prior to 
application, sediments should be characterized for major oxidizable species such as 
reactive sulfide, ferrous iron, and labile organic carbon. 
 

2.6 Engineering Implications 
Managing MeHg in water bodies is challenging because trace (ng/L) concentrations 

in water can result in high (mg/kg) concentrations in fish. Current remediation 
approaches such as sediment removal, capping, and reservoir oxygenation can be 
prohibitively expensive or impractical in many systems. Sediment amendment with 
MnOx is a potentially promising strategy for Hg remediation in aquatic systems that 
should theoretically decrease MeHg production and release to porewater through redox 
buffering and sorption.  
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Addition of MnOx to reduced lacustrine sediments raised ORP and lowered MeHg 
in porewater relative to the control groups. Lowering porewater MeHg concentrations 
could decrease the diffusion of MeHg into overlying water, which may result in lower 
bioaccumulation of MeHg in aquatic ecosystems. Decreases in porewater MeHg were 
similar in magnitude to the AC groups and other studies that used sorbent amendments 
(Gilmour et al., 2013b; Gilmour et al., 2018). Despite decreases in porewater, MeHg 
concentrations in the solid phase of sediments amended with MnOx were generally 
similar to or greater than MeHg concentrations in the control groups. Methylmercury 
production may have occurred during the initial period of incubation before sediments 
evolved to higher ORP. We observed some concerning effects of MnOx addition that 
should be noted. The MnOx amendment oxidized sulfide and Fe(II) to forms that could 
later be used for metabolism by Hg-methylating bacteria if redox potential dropped to 
levels that favor Hg methylation. MnOx amendments caused notable release of inorganic 
Hg into porewater in E1, likely through oxidative dissolution of Hg(II) complexes, Hg-
containing sulfides, and/or elemental Hg. Finally, the high surface contact of MnOx with 
reduced sediments in the slurry incubations caused reductive dissolution of the 
amendment that occurred too quickly for practical application in environmental settings.  

Prior to application in a field setting, further development is needed to slow the 
reduction of the MnOx amendment and stabilize Mn2+ in sediments. If reduction cannot 
be slowed, frequent reapplication may be needed to maintain the oxidizing conditions 
represented in our experiments. Crystalline MnOx with a lower specific surface area (e.g. 
pyrolusite) or AC coated with Mn(IV) may support slower rates of reduction to Mn(II). 
Coamendment of MnOx with AC or other sorbents could also help sorb Mn2+ released 
through reduction of MnOx. Adding MnOx to reduced aquatic sediments quickly 
consumed the oxidative capacity of the amendment, limiting its longevity and possibly 
delaying the establishment of oxidizing steady state conditions. Thus, sediment 
amendment with MnOx may not be appropriate for highly reduced systems. Instead of 
mixing the MnOx into surface sediments, a better application in lacustrine environments 
that experience seasonal hypoxia could be a reactive cap that overlays the sediment, 
buffering the redox state at the sediment-water interface while minimizing the surface 
contact between the amendment and reduced sediments. Vlassopoulos et al. (2018) 
showed that reactive caps consisting of MnOx and quartz sand were more effective at 
decreasing MeHg in overlying water than MnOx mixed into surface sediments. Because 
dissolved Mn can cause aesthetic problems that complicate drinking water treatment, 
MnOx addition is not recommended in drinking water reservoirs (Tobiason et al., 2013). 
Lentic ecosystems are generally better suited for solid phase amendments than fluvial 
systems, as amendments could be transported downstream with high flows. In riverine 
systems that experience oxic-suboxic cycling in surface sediments, solid phase 
amendments could be incorporated into erosion control features or geotextiles that may 
prevent amendment mobilization. MnOx amendment to oxic or moderately reduced 
sediments, or during more oxic cycles, may yield more effective redox buffering than 
amendment to consistently reduced systems, which could lead to greater inhibition of Hg 
methylation. One obvious drawback of sediment amendment with MnOx is the potential 
for oxidative dissolution of Hg(II) compounds like HgS. Coamendment of MnOx with a 
sorbent (e.g., AC) may help mitigate potential release of Hg(II) into overlying water.  
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3 Plankton Population Dynamics and Methylmercury 
Bioaccumulation in the Pelagic Food Web of Mine-
Impacted Surface Water Reservoirs  

 

3.1 Abstract 
 Thermal stratification of reservoirs can lead to anaerobic conditions that facilitate 
the microbial conversion of mercury (Hg) to neurotoxic and bioaccumulative 
methylmercury (MeHg). But MeHg production is just the first step in a complex set of 
processes that affect MeHg in fish. Of particular relevance is uptake into suspended 
particulate matter (SPM) and zooplankton at the base of the pelagic food web. We 
assessed plankton dynamics and Hg uptake into the pelagic food web of four Hg-
impaired California water reservoirs. Combining water chemistry, plankton taxonomy, 
and stable carbon (C) and nitrogen (N) isotope values of SPM and zooplankton samples, 
we investigated differences among the reservoirs that may contribute to differing patterns 
in MeHg bioaccumulation. Methylmercury accumulated in SPM during the spring and 
summer seasons. Percent MeHg (MeHg/Hg*100%) in SPM was negatively associated 
with δ15N values, suggesting that “fresh” algal biomass could support the production and 
bioaccumulation of MeHg. Zooplankton δ13C values were correlated with SPM δ13C 
values in the epilimnion, suggesting that zooplankton primarily feed in surface waters. 
However, zooplankton MeHg was poorly associated with MeHg in SPM. Our results 
demonstrate seasonal patterns in biological MeHg uptake and how multiple data sources 
can help constrain the drivers of MeHg bioaccumulation. 

3.2 Introduction 
Mercury (Hg) is a pollutant of concern in lakes and reservoirs, particularly in 

systems that experience oxic-anoxic cycling at the sediment-water interface or in the 
water column (Branfireun et al., 2020). Natural or anthropogenic Hg in the atmosphere 
can be deposited in catchments through wet or dry deposition (Driscoll et al., 2013). This 
atmospheric Hg, along with Hg present in soils from geologic and mining sources, can be 
transported into aquatic systems with runoff (Hsu-Kim et al., 2018). Under reducing 
conditions, anaerobic microorganisms convert inorganic Hg into neurotoxic 
methylmercury (MeHg), which bioaccumulates in aquatic ecosystems (Bigham et al., 
2016). Methylmercury concentrates in suspended particulate matter (SPM), which serves 
as the main source of MeHg to the pelagic food web (Ogorek et al., 2021). Further 
accumulating in zooplankton and their predators through dietary intake, MeHg 
concentrations in fish can exceed aqueous concentrations by 7 orders of magnitude 
(Ogorek et al., 2021). Ingestion of fish contaminated with MeHg can cause a range of 
neurological, reproductive, and cardiovascular defects in humans (Young-Seoub et al., 
2012). Bioaccumulation of MeHg can cause behavioral, neurochemical, hormonal, and 
reproductive changes in mammals, birds, and fish (Scheuhammer et al., 2007). Thus, the 
production and bioaccumulation of MeHg in lakes and reservoirs presents great risks to 
human and ecological health.  
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Despite the widely accepted conceptual model of MeHg diffusion into the water 
column followed by concentration in SPM and accumulation in the pelagic food web, the 
drivers that determine the degree of MeHg bioaccumulation are poorly understood. A 
survey of Hg concentrations in freshwater fish throughout the western United States and 
Canada showed that fish Hg was not correlated with sediment Hg, and only weakly 
corelated with sediment MeHg (Eagles-Smith et al., 2016). A 2019 meta-analysis of 32 
journal articles representing 22 sites worldwide showed that water column MeHg 
concentrations did not predict MeHg concentrations in biota (Wu et al., 2019). These 
surprising results are due to the multitude of chemical, biological, and ecological 
processes that govern MeHg uptake and bioaccumulation.  

The production and bioaccumulation of MeHg in aquatic systems is affected by 
numerous biological and chemical factors, many of which appear contradictory. For 
example, eutrophic systems with abundant nutrients, dissolved organic matter (DOM), 
and oxic-anoxic cycling can support high rates of net MeHg production (Bravo et al., 
2017; Herrero Ortega et al., 2017; Eckley et al., 2017). On the other hand, phytoplankton 
biomass can attenuate MeHg bioconcentration into the food web through “bloom 
dilution” and promote rapid, efficient growth in fish and zooplankton that can further 
dilute MeHg in biota (Pickhardt et al., 2002; Karimi et al., 2007; Ward et al., 2010). 
Dissolved organic matter also plays a dual role in MeHg production and 
bioaccumulation, serving to stimulate microbial metabolism that enhances Hg 
methylation, while also decreasing the bioavailability of inorganic Hg(II) to methylating 
microbes, promoting MeHg photodegradation, and attenuating uptake of MeHg into the 
food web (Ravichandran et al., 2004; Graham et al., 2013; Chiasson-Gould et al., 2014; 
Qian et al., 2014; Luengen et al., 2012). Ecosystem structure can affect the degree of 
MeHg bioaccumulation. Many studies show elevated MeHg bioaccumulation with 
increased food web length (Cabana et al., 1994; Ouédraogo et al., 2015; Thomas et al., 
2016). Uptake of MeHg can vary considerably among different algal species, 
highlighting the importance of algal assemblages in controlling MeHg bioconcentration 
in pelagic food webs (Lee and Fisher, 2016). Finally, the diets and grazing strategies of 
fish and zooplankton can influence their MeHg concentration. Grazing depth and diet 
(e.g., bacteria vs. algae) can influence MeHg concentrations in zooplankton (Hannides et 
al., 2013; Kainz et al., 2005). Pelagic fish commonly contain significantly higher MeHg 
concentrations than their benthic counterparts (Matthews et al., 2005; Ouédraogo et al., 
2015; Duffil Helsnig et al., 2018). Foraging strategy may change over a species’ lifecycle 
or because of an ecosystem perturbation, causing differences in MeHg bioaccumulation 
over time (Di Bennedito at al., 2013; Eagles-Smith et al., 2008). 

Stable isotope values of carbon (C) and nitrogen (N) in SPM and zooplankton are 
valuable tools that can help ascertain the processes that drive differences in MeHg 
bioaccumulation between ecosystems. Carbon isotope values of SPM can elucidate the 
origin (i.e., autochthonous vs. allochthonous) of the detritus that forms the base of the 
planktonic food web, a factor that is known to affect MeHg production and 
bioaccumulation (Wang and Druffel, 2001; Bravo et al., 2017). Nitrogen isotopes of SPM 
can help identify the source of N to primary producers, an important aspect of energy 
flow in aquatic systems (Wada, 1967). Relationships between C and N isotopes of SPM 
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and zooplankton can help identify trophic linkages that facilitate the trophic transfer of 
MeHg to higher level organisms (Stewart et al., 2008). Finally, N isotopes in zooplankton 
composites can identify relative abundance of predatory and grazer zooplankton species, 
which can affect the degree of MeHg bioaccumulation that occurs in the planktonic food 
web (Post, 2002). 

Patterns of MeHg bioaccumulation can be site-specific, necessitating focused 
studies in polluted systems to identify major drivers. In this field study, we assessed 
factors governing the uptake of Hg and MeHg into SPM and zooplankton in four Hg-
impaired surface water reservoirs over four seasons from 2019 to 2021. We focused on 
uptake into the base of the pelagic food web because this is known to be the key step that 
controls MeHg concentration in fish (Lehnherr, 2014; Wu et al., 2019; Ogorek et al., 
2021). Combining water chemistry data, algal and zooplankton taxonomic composition, 
and stable C and N isotope values of SPM and zooplankton samples, we investigated key 
differences between the reservoirs that may contribute to discrepancies in Hg and MeHg 
bioaccumulation. Specifically, our research questions were: (1) what are the chemical and 
biological similarities and differences between the study reservoirs? (2) does the 
abundance or structure of phytoplankton and zooplankton populations affect the degree 
of MeHg uptake into the food web? and (3) what factors contribute to enhanced MeHg 
uptake in SPM or zooplankton? Our study shed light on some of the ways that plankton 
dynamics affect MeHg bioaccumulation, showing the seasonal patterns of MeHg uptake, 
and the importance of the composition of SMP and zooplankton grazing patterns 

3.3 Site Description and Methods 
3.3.1 Site Description  
 Almaden (AR), Calero (CR), and Guadalupe (GR) reservoirs are small, 
mesotrophic water storage reservoirs located in the upper Guadalupe River Watershed 
(San Jose, CA, USA), draining to south San Francisco (SF) Bay (Fig. 3-1). Almaden 
Reservoir and GR are contaminated by Hg-laden runoff from the former New Almaden 
Mining District, North America’s largest and most productive historical Hg mining 
district. Despite extensive remediation projects to contain and remove contaminated 
sediments, the New Almaden Mining District remains a major source of Hg (120 kg/yr) 
to the SF Bay (McKee et al., 2017). Calero Reservoir is in an adjacent subwatershed but 
has received contaminated water and sediments from AR through the Almaden-Calero 
Canal (Fig. 3-1). Stevens Creek Reservoir (SCR) has no known Hg mines in its 
watershed. The Hg source to SCR is assumed to be a combination of local and global 
atmospheric deposition (Rothenberg et al., 2010). All four reservoirs primarily receive 
inflow during California’s wet season (October – April), but CR’s capacity is maintained 
year-round through water imports from the Sacramento-San Joaquin Delta. Stored water 
is used for direct poTable Cupply (CR only), groundwater recharge, and flood control. 
The variable characteristics of local geology, land use, water source, and reservoir 
management are reflected in the range of Hg concentrations and primary productivity of 
each reservoir (Table C1).  

Fish in each reservoir exceed regulatory targets for Hg (SFBRWQCB, 2008). 
Total mercury in muscle tissue of 35-cm length-standardized largemouth bass ranges 
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from 0.75 mg/kg (wet weight) in SCR to 4.9 mg/kg in GR (Seelos et al., 2021). Valley 
Water (San Jose, CA) installed line-diffuser hypolimnetic oxygenation systems (HOSs) 
in each reservoir to increase dissolved oxygen (DO) concentrations at the sediment-water 
interface and curtail Hg methylation (McCord et al., 2016). Hg concentrations in fish 
have declined significantly in GR and SCR since HOS (Seelos et al., 2021). The HOSs 
were operated intermittently during the study period (Fig. C1).   

3.3.2 Field Methods  

 We completed four seasonal monitoring events (Summer 2019, Winter 2020, Fall 
2020, Spring 2021) in each reservoir to capture the seasonal and interannual variability in 
food web structure and Hg dynamics. Data were collected at the deepest portions of the 
reservoir, above the bottom-release outlet structures, to target the pelagic food web. In 
addition, Valley Water collected water quality profiles at these locations on a monthly to 
bi-monthly basis (with monitoring gaps in 2020 due to the COVID-19 pandemic). 

Figure 3-1: Map of upper the upper Guadalupe River Watershed hydrologic system, including Almaden 
Reservoir (AR), Calero Reservoir (CR), Guadalupe Reservoir (GR), major streams, canals, and pipelines. 
Inset A shows the site location in the state of California. Inset B shows Stevens Creek Reservoir (SCR), 

located 12 kilometers northwest of GR. 
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3.3.2.1 Water Sampling 
Using Hydrolab DS5 sondes, we measured vertical profiles of temperature, DO, 

pH, oxidation-reduction potential (ORP), specific conductivity, chlorophyll a, and 
phycocyanin from the reservoir surface to the bottom at ≤ 1 m sampling interval. Grab 
samples were collected at discrete depths using a Wildco ® horizontal Van Dorn trace 
metal sampler and dispensed using ultraclean handling methods (USEPA, 1996). Surface 
(1-2 m depth) and bottom (1-7 m from bottom) water samples were poured into proper 
containers for analysis of total Hg, total MeHg, sulfate, and ammonia. 500 mL of surface 
and bottom water were collected into acid-washed Teflon bottles for later filtration and 
filter-passing MeHg analysis (FP MeHg). Three additional samples were taken between 
the surface and bottom samples and analyzed for MeHg. 125 mL water samples were 
collected at the surface, middle, and bottom depths and dispensed into amber glass bottles 
for analysis of algal taxonomy. An additional 4 L of water was collected at each depth for 
the isolation of SPM. The reservoir storage volume and thermal structure of each 
reservoir varied at each sample collection, providing a range of chemical and biological 
conditions (Fig. C2). Water samples were placed on ice and transported to the laboratory 
for analysis. 

3.3.2.2 Zooplankton Sampling  
 Zooplankton samples were collected using an 80-µm nylon plankton net with a 
0.5 m diameter opening (Aquatic Research Instruments). For taxonomic analysis, we 
collected a single vertical tow from 6-12 m depth (depending on reservoir stage) and 
washed all contents into a glass jar using deionized water. The sample depth was 
recorded for use in zooplankton density calculations. Several additional vertical tows 
were made at the same sampling depth as the taxonomy sample to collect sufficient 
zooplankton biomass for Hg, MeHg, and stable isotope analysis. The zooplankton 
taxonomy and biomass samples were held on ice until transport to the laboratory for 
processing and analysis. 

3.3.3 Sample Processing  
3.3.3.1 Water Samples 
 Immediately upon arrival at the laboratory, FP MeHg samples were filtered using 
sterile polystyrene filtration apparatuses and 0.45 μm polyethersulfone filters, then 
decanted into 250 mL fluorinated polyethylene bottles. Samples to be analyzed for Hg, 
MeHg, and FP MeHg were preserved with 0.5% 12 N HCl. Ammonia samples were 
preserved to pH <2 with H2SO4. Sulfate samples were unfiltered and unpreserved. All 
water samples were kept refrigerated (4 °C) until analysis. 

3.3.3.2 Algae and SPM Samples 
 Microscope slides were prepared for analysis of algal taxonomy on the day of 
collection. A 1:100 dilution of 1% Lugol’s iodine was added to water samples designated 
for algal taxonomy. Thirty-two mL of each sample were filtered onto a membrane filter 
grid (Metricel Grid: 47 mm, 0.45 um). Using clean forceps, each filter was placed 
sample-side down on a glass microscope cover slip. A thin layer of clear pre-polymerized 
2-hydroxypropyl methacrylate (HPMA) mounting resin was spread on top of the filtered 
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algae membrane and cured at ≥ 35 °C. Mounted slides were labeled and stored in a slide 
box until taxonomic analysis. 

 SPM in water samples was concentrated on filters for analysis of Hg, MeHg, total 
suspended solids (TSS), and stable isotopes of C and N. For each SPM sample, four liters 
of reservoir water were prefiltered using a 150-um mesh to remove course particulates. 
Using a glass filtration apparatus, SPM was concentrated onto 0.45 μm glass fiber filters 
by pouring a known volume (~500 mL) of water through the filter until it clogged. The 
first subsample, used for analysis of TSS and stable C and N isotopes, was immediately 
transferred to an incubator and dried at 60 °C until a constant mass was obtained. TSS 
concentration was measured gravimetrically as the filter mass change divided by the 
volume of water filtered. TSS was measured using a low temperature because the filter 
SPM was subsequently encapsulated for stable isotope analysis (see below). Two 
additional subsamples were produced for analysis of Hg and MeHg, with the SPM mass 
on the filter calculated as the volume of water poured through the filter multiplied by the 
TSS. Using forceps, concentrated SPM samples for Hg and MeHg analysis were placed 
into acid-washed amber glass vials and frozen. 

Following gravimetric analysis, the filters used for determination of TSS were 
placed in a desiccator overnight with a beaker containing >12 N fuming HCl for removal 
of trace carbonates from the SPM samples. Each filter was cut into thirds using scissors 
that were cleaned with ethanol. Each filter subsample was carefully rolled and 
encapsulated in 9x10 mm tin capsules, placed in a 48-well tray, and stored in a desiccator 
for stable C and N isotope analysis. Filter method blanks for Hg, MeHg, TSS, and stable 
isotope analysis were prepared using the procedures described above with deionized 
water instead of reservoir water.   

3.3.3.3 Zooplankton Samples 
 Zooplankton samples for taxonomic analysis were preserved with a 1:100 dilution 
of 1% Lugol’s iodine, stored in a refrigerator at 4 °C, and analyzed within 48 hours of 
collection (see below). Concentrated zooplankton biomass samples were triple rinsed by 
dilution to 2 L using deionized water, followed by filtration onto a 150-um mesh. Rinsed 
zooplankton biomass samples were placed onto aluminum weighing dishes and dried in 
an incubator at 60 °C until a constant mass was obtained. Using a clean mortar and 
pestle, samples were homogenized into a fine powder. Triplicate subsamples of ~1 mg 
were encapsulated in 5x9 mm tin capsules, placed in a 96-well tray, and stored in a 
desiccator for stable C and N isotope analysis. The remaining homogenate was divided in 
half and transferred to separate acid-washed amber glass vials for Hg and MeHg analysis. 
Samples were frozen until analysis. 

3.3.4 Analytical Methods 
3.3.4.1 Taxonomic Analysis 
 Algae were identified and quantified using a Zeiss Axio Imager A2 Microscope. 
The slides were first viewed using 100x or 200x magnification to ensure an even 
distribution of dominant taxa. All taxa present were identified to genus or species using 
various references and keys (e.g., Brook et al., 2011; Cox, 1996; Guiry and Guiry, 2016). 
For samples dominated by algae greater than 10-20 μm in the greatest axial or linear 
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dimension (GALD), a minimum of 300 cells or natural units and 15 random fields were 
identified and counted at 200x magnification (representing 1 mL). For samples that were 
dominated by algae less than 10-20 μm in GALD or containing fragile, difficult to 
identify taxa, a minimum of 400 natural units or cells and 25 fields were identified and 
counted at 400x (representing 1 mL). Algae counts were made in triplicate and averaged. 
Algal cell densities were calculated for each taxa as the count multiplied by 32 
(cells/mL). Cell densities were converted to biovolume based on literature 
approximations, and biomass assuming a cell density of 1 g/cm3 (Table C2).  

 Concentrated zooplankton biomass samples were diluted with tap water to 250 
mL in a graduated cylinder. The sample was mixed thoroughly in the graduated cylinder 
with a stir bar to suspend the organisms randomly. Using a pipette, 1mL subsample was 
quickly removed, transferred to a Sedgwick-Rafter cell, and covered with a microscope 
cover slip. The cell was placed under a compound microscope under a 10x objective. All 
organisms were identified and counted in 5 subsamples. Zooplankton were identified to 
genus or species (Haney et al., 2013). Zooplankton density (count/m3) was calculated as 
(n*Va)/Vs where n is the number of zooplankton counted, Va is the analyzed sample 
volume (250 mL), and Vs is the volume of water sampled using the zooplankton net (m3). 
Zooplankton biomass was estimated using literature measurements (Table C3). 

3.3.4.2 Water Chemistry 
Reservoir water samples were analyzed by Eurofins Scientific (Pleasanton, CA, 

USA). Total Hg was analyzed by oxidation, purge and trap, desorption, and cold-vapor 
atomic fluorescence spectrometry (CVAFS) (U.S. E.P.A., 2002). The method detection 
limit for total Hg is 0.2 ng/L. Total and FP MeHg were analyzed by distillation, aqueous 
ethylation, purge and trap, and CVAFS (U.S. E.P.A., 1998). The method detection limit 
for MeHg is 0.02 ng/L. Strict quality control standards were followed for trace-level Hg 
and MeHg analysis, including method blanks, matrix spikes/matrix spike duplicates 
(method requirement = 75–125% recovery), and check standards (method requirement = 
77–123% recovery). Sulfate was analyzed by ion chromatography (U.S. E.P.A., 1993). 
Ammonia was analyzed by semi-automated calorimetry (U.S. E.P.A., 1993). 

3.3.4.3 Hg and MeHg in Solids 
Solid-phase Hg and MeHg samples were analyzed by Eurofins Scientific 

(Sacramento, CA, USA). Total Hg in homogenized zooplankton and SPM (filters) were 
analyzed using a HNO3/H2SO4 digestion (3:7 ratio of 15.8 M HNO3 to 18 M H2SO4), 
followed by oxidation, purge and trap, desorption, and CVAFS (U.S. E.P.A., 2002). 
Methylmercury was extracted from solid samples using 25% KOH in methanol. 
Digestates were analyzes using distillation, aqueous ethylation, purge and trap, and 
CVAFS (U.S. E.P.A., 1998). Solid phase Hg analysis followed strict quality control 
measures, including duplicates (acceptable relative percent difference = 30%), matrix 
spikes/matrix spike duplicates, and method blanks. Homogenized zooplankton were used 
for QA/QC samples (duplicates, matrix spikes) because extra sample was available. 
Adequate recovery (75–125%) was verified using certified reference material (TORT-3). 
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3.3.4.4 Stable Isotope Analysis 
 Zooplankton samples were analyzed for bulk δ15N and δ13C by element analysis 
and isotope ratio mass spectrometry (EA-IRMS) at the Stable Isotope Ecosystem 
Laboratory of UC Merced (SIELO) and UC Davis Stable Isotope Facility (SIF). Twenty-
four zooplankton samples were analyzed at the SIELO via a Costech EA coupled to a 
Thermo Fisher Delta V Plus via CONFLO IV while 24 zooplankton samples were 
analyzed at UC Davis with a PDZ Europa ANCA-GSL elemental analyzer coupled to a 
DZ Europa 20-20 IRMS. One hundred forty-four SPM samples were analyzed at UC 
Davis using a similar method, but with an Elementar Vario EL Cube or Micro Cube 
elemental analyzer. Samples were analyzed in conjunction with standard reference 
materials (UC Davis: IAEA-600, USGS-40, USGS-41, USGS-41a, USGS-42, USGS-43, 
USGS-61, USGS-64, USGS-65; UC Merced: USGS-40, USGS-41) and internal 
standards of known isotopic composition for scale normalization, drift correction, and 
mass linearity correction. Isotope values were reported in permil (‰) difference relative 
to international standards Vienna Pee Dee Belemnite (VPDB, δ13C), and Earth’s 
atmosphere (Air, δ15N). The standard deviation of reference materials at the SIF was 0.05 
‰ for δ13C and 0.07 ‰ for δ15N (n = 176). The standard deviation of reference materials 
analyzed at SIELO was 0.05 ‰ for δ13C and 0.05 ‰ for δ15N (n = 32). At both 
laboratories, absolute accuracy for calibrated reference materials was <0.1‰ for both 
δ13C and δ15N. Zooplankton δ13C values were mathematically corrected for lipid content 
(Syväranta and Rautio, 2010) to account for high carbon fractionation during lipid 
synthesis. Carbon isotope values in SPM were not lipid-corrected. 

3.3.4.5 Statistical Analysis 
All plotting and statistical analyses were performed using the R programming 

language. Ordination analysis performed via non-metric multidimensional scaling 
(NMDS) was used to examine similarities in biological communities between reservoirs 
and to identify potential drivers. Using a nonmetric rank-order approach, NMDS attempts 
to reduce large multidimensional datasets (e.g., multiple biological assemblages or sets of 
water quality data) into fewer dimensions to identify underlying patterns and gradients. 
Datasets (e.g., measured biological assemblages) that plot closely to each other are 
relatively similar in structure. All NMDS analyses were performed with the Vegan 
package in R, using the Bray-Curtis Dissimilarity Index, autotransformation (Wisconsin 
double standardization), and a maximum of 100 random starts (Oksanen et al., 2020). 
Analyses yielding stress values > 0.15 were rejected. 

3.4 Results 
3.4.1 Water Chemistry 
 Seasonal patterns in thermal stratification and water chemistry of the study 
reservoirs before and after HOS have been described in detail (McCord et al., 2016; 
Seelos et al. (2021). Briefly, each reservoir was thermally stratified beginning around 
March and continuing until fall turnover around October (Fig. C2). Prior to the 
installation of the HOSs, reservoir stratification corresponded with depletion of DO in the 
hypolimnia and establishment of reducing conditions. Hypolimnetic sulfate depletion 
coincided with elevated MeHg concentrations, which typically began to increase during 
the spring and peaked around August before declining with the establishment of low-
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ORP conditions. During HOS operation, MeHg concentrations in the hypolimnia of all 
reservoirs decreased dramatically, but MeHg in surface waters remained comparable to 
pre-HOS levels. Primary productivity, measured as chlorophyll a and phycocyanin 
concentrations, increased in surface waters during HOS operation, possibly the result of 
enhanced mixing of nutrient-rich bottom waters into the photic zone.  

 

Figure 3-2: Nonmetric Multidimensional Scaling (NMDS) analysis of phytoplankton (A), zooplankton (B), fish 
(C), and water quality (D) data from four reservoirs. Each grey point is an individual observation containing 



56 
 

assemblage counts or a collection of water quality measurements in reduced dimensional space. The 
colored convex hulls enclose all individual observations made in each reservoir. In A and B, colored points 
represent a particular species or genus of the plankton group defined by the color (names not included to 

avoid cluttering, see legend for genus or species). In C and D, black text on plot denotes locations of 
relatively high values of the given species (C) or water quality parameter (D). The number of reduced 

dimensions (k) and Kruskal’s Stress (stress) are shown in the bottom-right of each plot.   

 Despite similar limnological patterns and responses to HOS operation, the 
reservoirs had some notable differences post-HOS in the concentrations of key water 
quality parameters affecting MeHg production and bioaccumulation. Non-metric 
multidimensional scaling (NMDS) analysis of key water quality parameters collected 
from surface waters of the four reservoirs from 2016 to 2021 showed distinct similarities 
between AR and GR, and between CR and SCR (Fig. 3-2d). Mercury and MeHg 
concentrations were notably higher in mine-impacted AR and GR, while CR and SCR 
had higher sulfate concentrations. Calero Reservoir had considerably higher chlorophyll 
a than the other three reservoirs. 

3.4.2 Biological Assemblages 
3.4.2.1 Phytoplankton Assemblages 
 Each reservoir exhibited unique patterns of phytoplankton density and taxonomic 
distribution. Phytoplankton density was typically highest near the reservoir surface, 
decreasing with depth (Fig. 3-3). Calero Reservoir had notably higher phytoplankton 
density than the other reservoirs, peaking at 138 g/m3 in summer 2019 (Fig. 3-3). A 
second peak in phytoplankton density in CR surface water was measured during the 
spring 2021 sampling event. Unique to the reservoirs, the phytoplankton biomass in CR 
was comprised almost entirely of cyanobacteria year-round, apart from a notable fraction 
of green algae measured mid-water column during the fall 2020 sampling event (Fig. 
C3). Like CR, phytoplankton density in AR peaked in summer 2019, but the measured 
density was about 5 times lower in AR (Fig. 3-2). The phytoplankton assemblage at AR 
was the most diverse of the reservoirs, with the predominant biomass shifting seasonally 
between cyanobacteria (summer 2019), dinoflagellates (winter 2020), and diatoms (fall 
2020) (Fig. C3). Guadalupe Reservoir and SCR had peak phytoplankton densities during 
the fall that were similar in magnitude, consisting predominantly of cyanobacteria (Fig. 
3-3, Fig. C3). Shifts from cyanobacteria to green algae and dinoflagellates occurred in 
summer 2019 in GR and spring 2021 in SCR.  
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Figure 3-3: Total phytoplankton biomass concentrations measured in the surface, middle, and bottom 
sampling depths of each reservoir. Biomasses were calculated from algal counts using per-cell mass 

estimations defined in Table C2. 

 Ordination analysis of phytoplankton assemblages showed similarity in GR and 
SCR (Fig. 3-2a). Almaden Reservoir and CR had distinct assemblages with little 
community overlap with each other, but some overlap with GR and SCR (Fig. 3-2a). Two 
variables had significant associations with algal assemblages: pH (p = 0.01), and 
zooplankton concentration (p = 0.01) (Fig. C4). Dinoflagellate and green algae species 
tended to be more abundant in samples with lower pH, while golden algae species were 
more prevalent at higher pH. Zooplankton biomass concentration appeared to increase 
with green algae and cyanobacteria abundance and decrease with diatom abundance. 

3.4.2.2 Zooplankton Assemblages 
 Seasonal patterns in zooplankton density were relatively consistent between the 
reservoirs. Calero Reservoir and SCR had comparable zooplankton densities, which were 
about twice as high as AR and GR. Zooplankton density peaked in summer 2019 and fall 
2021 in all reservoirs except AR. Zooplankton density was relatively low in spring 2021 
in all reservoirs. Zooplankton assemblages were comprised mainly of cladocerans, 
copepods, and rotifers, but copepods were dominant on a mass basis (Fig. C3, Fig. 3-4). 
Surprisingly, there was no correlation between zooplankton biomass and algal biomass. 
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Figure 3-4: Total zooplankton biomass concentrations (top) and mass percentages per taxa (bottom) in each 

reservoir. Biomasses were calculated from zooplankton counts using per-organism mass estimations 
defined in Table C3. 

 Ordination analysis of zooplankton assemblages showed considerable community 
overlap between AR and CR, and between GR and SCR (Fig. 3-2b). Algal biomass 
concentration was the only environmental variable that was significantly associated (p = 
0.01) with zooplankton community composition (Fig. C4). Copepod abundance appeared 
to increase with algae concentration while rotifer abundance decreased.  

3.4.2.3 Fish Assemblages 
 Though we were unable to collect fish samples during the study period on account 
of the COVID-19 pandemic, historical fish assemblages offer insight into potential top-
down controls on plankton populations. Using boat electrofishing with four netters, fish 
assemblages were estimated by capturing fish observed during 15-minute shoreline 
passes, then calculating the observed catch per minute (CPM) per species. Total fish 
CPM (all species), a relative measure of overall fish abundance, was similar at CR, GR, 
and SCR, with a median of around 10 (Fig. C5). Total CPM at AR was notably lower 
than at the other reservoirs, with a median of 3. Fish assemblages varied considerably 
among reservoirs. The NMDS analysis showed considerable community overlap in GR 
and SCR (Fig. 3-2c). Fish assemblages at GR and SCR consisted mainly of bluegill, 
largemouth bass, and black crappie (Fig. C6). In contrast, CR exhibited a more diverse 
assemblage, with 14 species observed. The fish assemblage at CR consisted of pelagic 
forage fish (e.g., inland silverside, threadfin shad), benthic feeders (e.g., brown bullhead, 
Sacramento sucker), and carnivorous gamefish (largemouth bass). Like GR and SCR, AR 
consisted primarily of bluegill, largemouth bass, and black crappie, but also contained a 
notable population of threadfin shad. Almaden Reservoir’s fish assemblage represents a 
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“midpoint” between the low-diversity assemblages of GR and SCR, and the highly 
diverse assemblage of CR.   

3.4.3 Suspended Particulate Matter 
3.4.3.1 Stable Isotopes in SPM 

Stable C and N isotopes in SPM varied with reservoir, season, and collection 
depth. The reservoirs of the Guadalupe River Watershed, (AR, CR, GR) had similar 
patterns of δ13C values (Fig. 3-5). In each reservoir, SPM δ13C values peaked during the 
summer and spring sampling events but dropped to ~ -36‰ in winter 2020. Though CR 
exhibited a similar seasonal pattern as AR and GR, SPM in CR was generally more 
enriched in 13C. In SCR, SPM δ13C values displayed a different pattern, with the highest 
values (-31.5‰) measured in winter 2020. In some samples collected during thermal 
stratification, SPM δ13C values increased with sample depth, but the pattern was not 
consistent across reservoirs. Seasonal patterns in δ15N values were consistent among all 
four reservoirs, with peaks measured in winter 2020 and lower values in the spring and 
summer sampling events (Fig. 3-5). Winter 2020 peaks in SPM δ15N ranged from ~5‰ in 
AR to ~7.5‰ in CR, while summer lows ranged from ~0‰ in AR to ~2.5‰ in CR. Like 
δ13C values, there was sometimes a vertical gradient in SPM δ15N values, but the pattern 
was inconsistent across reservoirs. Carbon to N ratios, a measurement of food quality, 
were roughly constant in CR but varied seasonally in the other reservoirs (Fig. 3-5). In 
summer 2019, C:N ratios were generally highest, at ~6.25 in CR and ~8 in the other 
reservoirs.  In the spring and fall sampling events, C:N ratios of SPM were more variable 
but generally lower. 

3.4.3.2 Hg and MeHg in SPM 
 Mercury and MeHg were five to six orders of magnitude more concentrated in 
SPM than in reservoir water (Fig. 3-6). Nonetheless, MeHg was not detectable in some 
SPM samples collected in winter and fall 2020 from CR and SCR. Total Hg in SPM was 
<0.5 mg/kg year-round in CR and SCR and did not vary notably with depth. In contrast, 
SPM total Hg in mine-impacted AR and GR was higher and more variable. In AR, total 
Hg in SPM was around 0.75 mg/kg, peaking to around 1.5 mg/kg in the deepest samples 
in summer 2019 and spring 2021. In GR, total Hg in SPM ranged from about 0.5 to 2.5 
mg/kg, with high variability by depth. Patterns in MeHg in SPM were more consistent. 
Methylmercury in SPM peaked in summer 2019, and to a lesser extent in spring 2021 in 
each reservoir. Methylmercury concentrations were consistently highest in the surface 
SPM samples in summer 2019 in all four reservoirs. Peak SPM MeHg concentrations in 
summer 2019 were similar were similar in AR, CR, and GR, but notably lower in SCR. 
Percent MeHg in SPM was generally highest in summer and spring, often exceeding 5%. 
Percent MeHg in SPM was negatively correlated with SPM δ15N (Fig. C7). 
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Figure 3-5: C:N ratios (top), δ13C (middle), and δ15N (bottom) measured in suspended particulate matter 
collected at three depths (colors) in each reservoir. Error bars show standard deviation of triplicate samples 

(some error bars are too small to be legible). 

3.4.4 Zooplankton 
3.4.4.1 Stable Isotopes in Zooplankton  
 Stable C and N isotope values of zooplankton composite samples varied by 
reservoir and collection season. Zooplankton δ13C was elevated in CR relative to the 
other reservoirs except in winter (Fig. 3-7). Zooplankton δ13C values were positively 
correlated with SPM δ13C values collected near the surface and middle of the reservoirs, 
but not with SPM collected lower in the water column (Fig. 3-8). Zooplankton samples 
were enriched in 13C with 13C values 1.8 ± 1.4‰ (mean ± SD) above surface SPM 
samples. Zooplankton δ15N values appeared to have a positive association with SPM δ15N 
values in AR and CR, but not in GR or SCR (Fig S8). In AR and CR, zooplankton were 
enriched in 15N with 15N values of 4.9 ± 2.2‰ above surface SPM samples. There was a 
significant correlation between the mass percent of copepods and δ15N values in the 
zooplankton composite samples (Fig. C9). Zooplankton C:N ratios were lower on 
average than C:N in SPM surface samples (4.7 ± 0.7 vs. 6.8 ± 1; mean ± SD). 

3.4.4.2 Hg and MeHg in Zooplankton 
 Total Hg and MeHg in zooplankton varied by reservoir and by season. Total Hg 
concentrations in zooplankton were generally lower than total Hg in SPM, by 5 times on 
average. However, MeHg was generally more concentrated in zooplankton than in SPM, 
by 6 times on average. Differences between zooplankton and SPM MeHg were highly 
variable, resulting in no significant correlation between the two. The three reservoirs of 
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the Guadalupe River Watershed (AR, CR, GR) had peak MeHg concentrations in 
zooplankton during summer 2019 and spring 2021 (Fig. 3-9). Peak MeHg in zooplankton 
were very similar in AR and GR, around 0.5 mg/kg in summer 2019 and 0.9 mg/kg in 
spring 2021. Zooplankton MeHg peaked in SCR in summer 2019 and fall 2019, both at 
concentrations around 0.13 mg/kg. In CR, 100% of the Hg in zooplankton was MeHg 
during all sampling events. However, %MeHg in zooplankton varied from 2% to 100% 
in the other reservoirs dropping in winter 2020 in GR and SCR, and in fall 2020 in AR.  

 

Figure 3-6: %MeHg (top), MeHg (middle), and Total Hg (bottom) measured in suspended particulate matter 
collected at three depths (colors) in each reservoir. Points represent single measurements. Values below 
detection limits are not shown. All concentrations are reported as dry weight. Percent MeHg (%MeHg) is 

calculated as [MeHg]/[total Hg]*100%. 

3.5 Discussion 
3.5.1 Key Differences Between Reservoir Water Chemistry and Food Webs  
 Water quality in the four reservoirs had key similarities and differences that are 
relevant to Hg cycling and bioaccumulation. Unsurprisingly, Hg and MeHg 
concentrations in water of mine-impacted AR and GR were considerably higher than in 
CR and SCR. However, CR and SCR contained much (2-3 times) higher concentrations 
of sulfate, which is known to stimulate MeHg production in aquatic sediments (Gilmour 
et al., 1992; Jeremiason, 1996). Additionally, eutrophic conditions observed in CR 
indicated by high phytoplankton density can promote high rates of MeHg production 
(Gray and Hines, 2009; Bravo et al., 2017). Thus, though total Hg concentrations are 
lower in CR and SCR, they may have more favorable conditions for MeHg production 
and release into the water column. 
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Figure 3-7: C:N ratios (top), δ13C (middle), and δ15N (bottom) measured in zooplankton composites from 
each reservoir. 

 Phytoplankton species distribution and biomass density are key constraints on 
MeHg availability to pelagic ecosystems because they affect the uptake and concentration 
of MeHg at the base of the food web (Pickhardt et al., 2002; Lee and Fisher, 2016). 
Additionally, the phytoplankton population can affect zooplankton growth and 
abundance, as cyanobacteria are thought to represent a low-quality and potentially toxic 
food source for grazers (Wilson et al., 2006; Martin-Cruezburg and von Elert, 2009). 
Phytoplankton assemblages in the reservoirs varied seasonally but can be roughly 
separated into three archetypes: lower diversity-higher abundance (CR), lower diversity-
lower abundance (GR and SCR), and higher diversity-lower abundance (AR). Lower-
diversity reservoirs consisted primarily of common cyanobacteria genera (e.g., 
Dolichospermum, Aphanizomenon, Microcystis) year-round, with minor populations of 
other phytoplankton groups (e.g., green algae, dinoflagellates, diatoms). In GR and SCR, 
these other groups increased in proportion seasonally, while cyanobacteria predominated 
throughout in CR. Cyanobacteria abundance and total algal density appeared to increase 
with residence time of water in the reservoir, likely due to nutrient accumulation and 
warmer, stagnant conditions that favor cyanobacteria growth (Romo et al., 2013). High 
concentrations of cyanobacteria are associated with enhanced MeHg production and 
uptake (Lázaro et al., 2013; Lee and Fisher, 2016). Additionally, high concentrations of 
cyanobacteria could decrease the somatic growth dilution of MeHg in zooplankton 
(Karimi et al., 2007). Thus, these cyanobacteria-dominant reservoirs may present 
elevated risk for MeHg production and bioaccumulation. In contrast, AR contained 
populations of green algae, golden algae, and diatoms that comprised about 25-100% of 
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the phytoplankton assemblage in each sampling event. Phytoplankton species often have 
lower surface area to volume ratios than common cyanobacteria, which could decrease 
passive MeHg uptake (Lee and Fisher, 2016). Green algae and diatom-dominant 
phytoplankton assemblages also constitute a higher quality food source for upper-level 
organisms, potentially increasing somatic growth dilution of MeHg in zooplankton 
(Wilson et al., 2006; Martin-Cruezburg and von Elert, 2009; Karimi et al., 2007). 

 
Figure 3-8: Linear correlations between δ13C measured in zooplankton composites and SPM collected from 

the surface, middle, and bottom sampling. 

 Zooplankton serve as a key trophic linkage between primary producers and 
planktivorous fish, representing an important control on MeHg bioaccumulation in the 
pelagic food web (Fisher and Reinfelder, 1995). Zooplankton abundance and community 
composition can influence their uptake and concentration of MeHg, ultimately affecting 
MeHg accumulation in fish (Pickhardt et al., 2005; Stewart et al., 2008). Zooplankton 
biomass density was highest at CR and SCR, with the highest contribution from copepods 
due to their size and abundance. Like phytoplankton, zooplankton density and 
composition varied seasonally, but assemblages can be separated into two architypes: 
large-body dominant (AR, CR) and small-body dominant (GR, SCR). Zooplankton 
assemblages in the large-body dominant reservoirs consisted primarily of large copepods 
of the order Cyclopoidia and their naupli. In contrast, GR and SCR had higher 
percentages of rotifers and smaller copepod genera such as Microcyclops. Both 
archetypes contained minor (10-30%) fractions of cladocera species, primarily of the 
genera Bosmina and Daphnia. Rotifer abundance decreased with increasing 
phytoplankton density. This result disagrees with other studies that showed increased 
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rotifer density resulting from eutrophication (Blancher, 1984; Ejsmont-Karabin, 2012). 
Because rotifers are lower-order grazers that can have lower MeHg concentrations than 
higher-order zooplankton species, increases in algal biomass could indirectly increase 
MeHg concentrations in zooplankton (Stewart et al., 2008). Furthermore, increases in 
abundance of carnivorous copepod species under high algae density could add an 
additional trophic step in the food web and increase MeHg concentrations in zooplankton 
(Cabana et al., 1994). 

 Fish abundance and species distribution are important factors influencing 
plankton populations and MeHg bioaccumulation. The fish assemblages of GR and SCR 
primarily consisted of opportunistic and piscivorous feeders (e.g., bluegill, largemouth 
bass) that had no clear linkage to planktonic food web. In contrast, AR and CR contained 
planktivorous forage fish (e.g., threadfin shad, inland silverside). Unlike GR and SCR, 
which had small-dominant zooplankton assemblages, AR and CR contained higher 
abundances of large copepods and cladocera, which may explain the presence of 
planktivorous fish. In addition to connecting the planktonic food web to predatory fish, 
planktivorous fish provide a top-down control on the plankton assemblage and density in 
lakes (Li et al., 2020). Predation by fish could explain why zooplankton abundance is 
relatively low in AR and CR despite high phytoplankton diversity in AR and abundance 
in CR. 

 
Figure 3-9: %MeHg (top), MeHg (middle), and Total Hg (bottom) measured in zooplankton composites 

collected in each reservoir. Bar heights represent single measurements. All concentrations are reported in 
dry weight. 

3.5.2 Patterns in Plankton and Suspended Particulate Matter 
Plankton density and community structure varied seasonally in each reservoir. 

There was no consistent pattern in phytoplankton productivity among the reservoirs, with 
peaks in phytoplankton biomass identified in summer (AR, CR), winter (GR), fall (GR, 
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SCR), and spring (CR). Likewise, there didn’t appear to be a consistent seasonal pattern 
in phytoplankton assemblages. None of the water quality variables measured were 
correlated with phytoplankton biomass. It is likely that nutrient and/or light limitation 
were key factors controlling bloom events (Han et al., 2021). Patterns in zooplankton 
density were consistent in CR, GR, and SCR, with peaks measured during the summer 
and fall sampling events. However, we found no correlation between biomass densities of 
phytoplankton or cyanobacteria and zooplankton, suggesting that the zooplankton 
population is not limited by food availability. Predation by planktivorous fish and 
carnivorous zooplankton is likely an important top-down control on zooplankton density 
that obscures the relationship between the phytoplankton and zooplankton communities 
(Sinstro, 2010; Li et al., 2020). 

Suspended particulate matter samples were depleted in 13C relative to known 
isotope values reported in phytoplankton (δ13C from -18 to -25 ‰) (Popp et al., 1998; 
Hayes, 2001). However, SPM δ13C values fell within the range of literature values of lake 
SPM (Cattaneo et al., 2004; Taipale et al., 2016; Lammers et al., 2017). This difference in 
δ13C values likely reflects contributions from allochthonous organic matter, which is 
expected to be relatively depleted in 13C (Wang and Druffel, 2001; Hedges et al., 1997). 
The large decrease in SPM δ13C values observed in winter 2020 likely reflects 
allochthonous loading of organic matter, which has lower δ13C values associated with 
terrestrial vegetation. Conversely, δ15N values in SPM was highest in winter 2020 and 
lower in other seasons. Differences in SPM δ15N values can reflect the species of 
dissolved N present (NO3

-: 3–7‰, NH4
+: 6–8‰, and atmospheric N2: 0‰ per Miyake 

and Wada, 1967) or the nitrogen source (Kendall et al., 2007). Relatively low SPM δ15N 
values in summer and spring likely reflects the high abundance of cyanobacteria species 
that fix atmospheric nitrogen (Minigawa and Wada, 1986). High (>5‰) δ15N values in 
SPM measured in winter 2020 suggests external loading of particulate organic nitrogen, 
and/ or phytoplankton reliance on dissolved N species. 

Stable C and N isotope values in zooplankton reflected their food source and 
community structure. Zooplankton δ13C values were significantly associated with SPM 
δ13C values collected from the surface and mid-water column. This correspondence 
indicates that zooplankton primarily feed in the pelagic zone. However, there appeared to 
be no association between zooplankton δ15N and SPM δ15N values in GR and SCR. 
Instead, zooplankton δ15N values were related to the zooplankton community structure, 
with δ15N values increasing with the mass percentage of copepods present. Carnivory of 
other zooplankton species by copepods could increase the trophic fractionation of N 
disproportionally to C, causing a misalignment of δ15N and δ13C values (Post, 2002). It is 
likely that variations in zooplankton δ15N values in GR and SCR reflect seasonal 
variability in N source and carnivory by zooplankton. Zooplankton carnivory effectively 
adds a trophic step to the pelagic food web, which could increase MeHg bioaccumulation 
(Cabana et al., 1994). 

3.5.3 Patterns in Hg Bioaccumulation 
Suspended particulate matter accumulated Hg and MeHg at much higher 

concentrations (~1 million times) than were present in reservoir water. However, we did 
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not observe predictive relationships between Hg or MeHg measured in SPM and water at 
the time of collection. This was especially true when considering FP MeHg as 
representative of the pool of MeHg in water because FP MeHg was highly variable and 
often not detectable. The concentration of Hg species in SPM represents a time-averaged 
snapshot of Hg exposure influenced by factors such as Hg concentration and speciation in 
water, SPM origin and age, and phytoplankton density and composition. Each of these 
factors can vary on timescales from days to months. Thus, a single water measurement of 
Hg or MeHg taken during the collection of SPM will not represent the Hg time history 
associated with the SPM sample and cannot accurately explain fine-timescale changes in 
Hg uptake by SPM. Increasing sampling frequency to monthly or less could help 
constrain water-SPM biomagnification.  

Consistent total Hg concentrations in SPM (~0.25 mg/kg) measured year-round in 
CR and SCR suggests that a relatively unchanging input (e.g., atmospheric deposition) 
dominates Hg loading to these reservoirs. In contrast, the higher (0.5-2.5 mg/kg) and 
more variable Hg concentrations measured in SPM collected from AR and GR suggests 
that Hg loading varies with inflow and reservoir conditions. Methylmercury 
concentrations in SPM peaked during the summer and spring sampling events in each 
reservoir. This is consistent with studies that have noted enhanced MeHg production in 
stratified reservoirs during the spring and early summer prior to the establishment of 
highly reducing conditions (Beutel et al., 2020; Fuhrmann et al., 2021). We did not 
measure elevated Hg or MeHg in biota following fall turnover, as has been noted in other 
studies (Herrin et al., 1998; Slotton et al., 1995). It is likely that bottom discharge from 
the reservoirs and hypolimnetic oxygenation kept MeHg concentrations relatively low in 
bottom waters, such that MeHg bioaccumulation was more dependent on MeHg 
production occurring in the littoral zone and/or water column than on seasonal inputs 
from the hypolimnion during reservoir mixing (McCord et al., 2016; Seelos et al., 2021). 
This hypothesis is supported by higher MeHg concentrations measured in surface SPM 
samples in summer 2019 compared to those measured closer to the bottom. Percent 
MeHg in SPM was negatively associated with δ15N values in SPM, likely due to 
enhanced MeHg production at times when SPM was autochthonous in origin, or 
preferential MeHg uptake relative to inorganic Hg. Phytoplankton-derived dissolved 
organic matter is known to support relatively high rates of Hg methylation (Bravo et al., 
2017). 

Zooplankton assimilated MeHg much more efficiently than inorganic Hg. Whereas 
total Hg concentrations in zooplankton were about 5 times lower than in SPM, MeHg 
concentrations averaged 5-6x times higher. This result agrees with other studies showing 
high rates of MeHg assimilation by zooplankton compared to inorganic Hg (Lee and 
Fisher, 2016; Gosnell et al., 2021). The fraction of total Hg in zooplankton as MeHg was 
typically >50% with lower fractions generally occurring during the winter when MeHg 
production was low. Despite similar concentrations of MeHg in surface SPM of AR, CR, 
and GR during summer 2019, zooplankton MeHg concentrations were much lower in 
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CR. Zooplankton may have selectively fed in the mid-water column where phytoplankton 
density was ~50% lower and MeHg concentrations were ~0.05 mg/kg. Zooplankton in 
AR and GR contained the highest MeHg concentrations during spring 2021 when MeHg 
in SPM was relatively low. This result corresponded with decreased zooplankton density 
and lower C:N in zooplankton composites. It is possible that low zooplankton densities 
decreased grazer competition and allowed for more selective feeding on “fresh” 
phytoplankton that likely contained higher concentrations of MeHg. Conversely, high 
zooplankton densities measured in summer 2019 could have led to lower selectivity by 
zooplankton, including feeding on older detritus that may have had lower MeHg 
concentrations compared to fresh algal biomass. Zooplankton feed selectively on the best 
available resources, perhaps making bulk SPM and phytoplankton counts poor proxies 
for zooplankton diet (Sailley et al., 2015; Meunier et al., 2015). This was evident in the 
poor correlations between MeHg or δ15N in SPM and zooplankton composites. 

3.6 Conclusion 
 Building understanding of the factors that contribute to MeHg bioaccumulation in 
reservoirs is crucial to developing management strategies aimed at lowering Hg 
bioaccumulation, particularly because MeHg concentrations in surface waters are often 
poorly correlated with MeHg concentrations in biota. This study presents one approach 
for assessing the drivers of MeHg bioaccumulation in reservoir systems using a diverse 
set of chemical and ecological data. Nonmetric multidimensional scaling analysis 
revealed key similarities and differences between four monomictic reservoirs that could 
affect MeHg production and bioaccumulation. Mine-impacted AR and GR had high Hg 
and MeHg concentrations, but likely less favorable conditions for MeHg production than 
CR and SCR, which had higher sulfate concentrations and phytoplankton productivity. 
Significant overlaps in the plankton and fish assemblages of GR and SCR suggest 
ecological similarities that could affect MeHg bioaccumulation in these reservoirs. 
Almaden and Calero reservoirs likewise had similar plankton and fish assemblages, with 
the notable presence of pelagic forage fish that could efficiently connect the planktonic 
food web with upper trophic level fish. Stable isotope results indicated that zooplankton 
likely fed primarily in the upper water column of the reservoirs, but zooplankton biomass 
did not seem to be limited by food availability. Instead, fish and carnivorous zooplankton 
may present a top-down control on the zooplankton population. Percent MeHg in SPM 
was negatively associated with δ15N values, suggesting that “fresh” algal biomass could 
support preferential MeHg uptake (relative to total Hg) or enhanced MeHg production. 
Methylmercury accumulated in SPM during the spring and summer seasons in each 
reservoir, when conditions were most favorable to MeHg production. Though MeHg 
concentrations in SPM were highest during the summer, zooplankton MeHg was highest 
in the spring in AR and GR. This may have been due to low zooplankton density, which 
could decrease feeding competition and allow for more ingestion of MeHg per organism. 
Methylmercury and stable isotope data in biota suggest that bulk SPM may not represent 
dietary inputs to zooplankton, which feed selectively and adjust their diet based on the 
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best available food source. Overall, our results demonstrate the seasonal patterns in 
MeHg introduction into the pelagic food web, and ecological similarities in AR and CR, 
and in GR and SCR.  
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