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ABSTRACT: Agriculturally impacted ecosystems can be a source of the
greenhouse gas, nitrous oxide (N2O); yet in situ measurements of N2O fluxes
are sparse, particularly in streams and rivers. Dissolved N2O was measured
from 9 sites over a 13-month period and a gas exchange model was used to
predict N2O fluxes. N2O fluxes were measured at 4 sites on 7 sampling dates
using floating chambers. In addition, dissolved N2O in porewaters was
measured at 4 sites at various depths from 2 to 30 cm. Dissolved N2O−N con-
centrations in surface waters (0.31−1.60 μg L−1) varied seasonally with highest
concentrations in late fall and early summer and lowest in winter. Estimated
N2O−N fluxes (26.2−207 μg m−2 hr−1) were in relative agreement with
measured N2O fluxes using floating chambers (9.5−372 μg m−2 hr−1) and
correlated strongly with temperature and nitrate concentrations (R2 = 0.86).
Maximum dissolved N2O−N:NO3

−−N ratios were higher in sediment-
porewaters at 0.16, compared to surface waters (0.010). The calculated EF5-r
value (mean = 0.0028; range = 0.0012−0.0069) was up to 3 times greater than the current IPCC EF5-r emissions factor (0.0025 kg
N2O−N emitted per kg of NO3

−−N leached). The highest EF5-r values were found in the high-flow sampling events when dissolved
N2O and NO3

− concentrations were low, highlighting potential constraints in the IPCC methodology for large rivers.

■ INTRODUCTION

Nitrous oxide (N2O) is a potent greenhouse gas having a global
warming potential 298 times greater than carbon dioxide over a
100-yr period.1 Agricultural N2O emissions associated with
nitrogen fertilizer use are considered the main source of global
N2O emissions (19 Tg N yr−1), with an estimated 5.3 Tg N yr−1

originating from agricultural soils.2 Indirect N2O emissions
contribute 0.4 Tg N yr−1 from denitrification of nitrate originating
from leaching and runoff processes.3

The current IPCC method for estimating N2O emissions
associated with leaching and runoff of nitrogen (N) multiplies
the mass of fertilizer and manure N lost from agricultural systems
(NLEACH; kg NO3

−−N) by the emissions factor EF5 or N2O
yield (kg N2O−N per kg NO3

−−N leached). The current EF5
value of 0.0075 kg N2O−N per kg NLEACH includes N2O
emissions from groundwater and surface drainage (EF5-g), rivers
(EF5-r), and estuaries (EF5-e), with each component contributing
0.0025 kg N2O−N per kg NLEACH.4

The current EF5-r value was revised from 0.00755 to 0.002 4

and is based on data primarily from small river systems, but
there remains great uncertainty in scaling these values to larger
rivers.6−8 While several studies have used dissolved N2O and
air−water exchange models to estimated N2O fluxes,9−12 there
are a minimal number of studies that have measured N2O fluxes
directly from streams and rivers (e.g., 13−17). Most of the
studies on N2O from aquatic systems have been performed
in small first- or second-order streams over relatively short
time periods. A study examining 72 streams found that N2O

fluxes were ∼3 times higher than the revised EF5-r value,18

whereas Clough et al.12 found values similar to the revised
EF5-r value.
Aquatic ecosystems can be a significant source of N2O

emissions with nitrification and denitrification considered the
two main processes producing N2O.

19 Denitrification is an
anaerobic respiration process that reduces NO3

− to dinitrogen
gas (N2), with N2O as the intermediate gas product.20 Nitrifica-
tion, an aerobic microbial process, oxidizes ammonium (NH4

+)
to NO3

−, in which N2O is formed as a byproduct.
Within the agriculturally dominated Central Valley of California,

nitrate concentrations in the San Joaquin River (SJR) are highest
in the summer dry season (1−4 mg NO3

−−N L−1). During the
dry season, low river flows result in less dilution capacity and lower
oxygen concentrations while considerable NO3

− is delivered to
the river by irrigation return flows.21 Past studies examining
groundwater inputs into the SJR suggested that the riparian and
hyporheic zones act as an anoxic barrier to NO3

− transport
resulting in little NO3

− input from regional groundwater
sources.22 River bed sediments generally became anoxic within
∼10 cm, creating favorable conditions for denitrification of
NO3

− mixing into the hyporheic zone from surface waters. In
spite of the strong evidence for denitrification potential in the
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SJR, no studies have directly assessed denitrification or N2O
emissions from this river system.
In this study, we built upon these past findings by measuring

temporal and spatial patterns in N2O fluxes over a 118-km
reach of the SJR and selected tributaries for a 13-month period.
The primary objectives of this study were to assess (i) seasonal
and temporal variations in dissolved N2O concentrations, (ii)
measure N2O fluxes from surface water using floating chambers,
(iii) estimate N2O fluxes using a water−air gas exchange model,
(iv) relate measured and estimated N2O fluxes to environmental
factors (e.g., NO3

− concentration, temperature, flow), and (v) com-
pare EF5-r values measured in the SJR with the IPCC estimates
(EF5-r4). Results of this study provide the first information
available for N2O emissions from agricultural rivers in the Central
Valley of California. These data provide new information for
understanding nitrogen cycling processes in riverine systems and
further our knowledge for developing management strategies for
reducing N2O emissions from agricultural watersheds.

■ MATERIALS AND METHODS

The study was conducted along the SJR and its tributaries
located in the Central Valley of California. Nine sampling sites
were located over a 118-km reach of the lower SJR from Lander
to Mossdale (Figure 1). The study area has a Mediterranean
climate with hot, dry summers (mean summer temperature of
24 °C) and cool, moist winters (mean winter temperature of
8 °C; mean annual precipitation ranging from 254 to 305 mm).
The river drains 19 024 km2, of which 11 135 km2 are from the
Sierra Nevada, 5812 km2 are from the San Joaquin Valley and
2077 km2 are from the Coast Ranges. The SJR within the study
area has a mean depth of 2 m (range = 0.5−6 m), and a low

gradient (∼0.0156%) with a sandy substratum.23 Approximately
79% of the average river flow in the SJR comes from east-side
river basins originating in the Sierra Nevada: Merced River
(17%), Tuolumne River (28%), and Stanislaus River (34%21).
The remainder originates as surface and subsurface drainage
from irrigated agriculture. Agricultural diversions and drains
cycle water along the entire length of the lower SJR. Agri-
cultural drains are estimated to contribute up to 90% of the
annual NO3

− load.24 The surrounding land mostly comprises
dairy farms, pasture, wetlands, orchard crops, and row crops.
The only major sewage input along the study reach is from the
City of Modesto Waste Water Treatment Plant located on the
east side of the river alongside Site 160. Secondary treated
wastewater flows to surrounding cropland fields adjacent to the
river study site and directly into the SJR at 96 528 m3 d−1.25

Common aquatic macrophytes are present along the river
banks during low flow periods, including hyacinth (Eichhornia
crassipes), pennywort (Hydrocotyle umbellate), and primrose
(Ludwigia spp.) Additional information on the SJR and its
watershed can be found in Kratzer et al.21 and Zamora et al.22

To measure dissolved N2O in surface waters, samples were
collected midstream from 9 sites as defined by river distance,
with river kilometer Site 212 and Site 94 being the upstream
and downstream sites, respectively. Samples were collected 10
times between October 2010 and September 2011 to ensure
sampling covered differences in season and variable river flow.
In addition to the 9 sites located on the SJR, samples were
collected on 7 sampling dates from two SJR tributaries (Merced
and Tuolumne Rivers) and from the Sacramento River (SAC).
Replicate surface water samples from the top ∼5 cm were placed
in 20-mL Wheaton crimp-top headspace vials with straight plug

Figure 1. Location of study sites. Circles represent the 10 main sites on the San Joaquin River. Triangles represent Merced, Tuolumne, and
Sacramento Rivers.

Environmental Science & Technology Article

dx.doi.org/10.1021/es301373h | Environ. Sci. Technol. 2013, 47, 1313−13221314



rubber stoppers, preserved with 6 drops of ZnCl2 (50% v/w),
and stored at 4 °C through completion of analysis.26 Sampling
took place primarily between 10:00 and 16:00 h to minimize
potential discrepancies due to diurnal variations. To assess
diurnal variability, paired samples were collected from four sites
at 09:00 and 21:00, in April, May, and June 2011. Significant
differences were not found in nitrate−N, dissolved O2 (DO),
and N2O−N concentrations which differed by 0.07 mg L−1

(0.02%); 0.13 mg L−1 (0.01%), and 0.09 μg L−1 (0.01%),
respectively (paired t test, P > 0.05).
The headspace equilibrium technique was used to measure

dissolved N2O concentrations. Six mL of water was removed
from the 20-mL vials and the headspace was replaced with
ultrahigh-purity helium. Vials were placed on a shaker table for
1 h to equilibrate gas and liquid phases. Headspace gas was
quantified using a gas chromatograph (HP/Agilent 6890, μECD
using 10% CH4 in Ar as the carrier gas). Dissolved N2O concen-
trations were calculated using appropriate Bunsen and solubility
coefficients to correct for temperature and salinity.27

N2O fluxes were measured from four sites (201, 189, 175,
and 160) in August and September 2010 and January, May,
July, August, and September 2011 using floating chambers.28

Chambers consisted of 30 × 30 cm polyurethane containers.
Foam was attached around the sides of the containers and they
were inserted into the river at a depth of 5 cm with a height of
25 cm, for a resulting headspace of 15.6 L. A three-way valve
was sealed to the top of the chamber to allow direct headspace
gas sampling during low flows. Three replicate chambers were
deployed on an unrestrained rope across the river width during
low-flow season (August and September 2010 and 2011) to
minimize disturbance between the boundary layers. During
high-flow sampling events, chambers were extended a min-
imum of 2 m from the river bank and drifted with the river
current. The chambers were white to minimize heating of
headspace gas. Tubing (void volume, 19.8 mL) was attached to
the top of the chamber so gas samples could be collected from
the river bank. Twenty mL of air was removed from the
chamber and expelled as waste during high-flow periods. Using
a 30-mL syringe, 15-mL samples were collected and injected
into pre-evacuated 12-mL Labco vials every 15 min for 1 h.
Nitrous oxide fluxes were calculated as the slope of the linear
regression of N2O concentration versus time (slopes were well
fit by a linear regression: r2 >0.95).
Flux chamber measurements of N2O from all sites and

months were unattainable due to inaccessibility to downstream
sites and periodic flooding. Therefore, the dissolved N2O
concentrations were used to estimate N2O fluxes using model-
based estimates of gas exchange. Estimated N2O fluxes between
the water−air interface were calculated from the dissolved N2O
concentrations using17

= − ′F V C C K( / )N O tot w a H2 (1)

where FN2O is N2O flux (mole m−2 s−1), Cw is N2O concentra-
tion (mol m−3) in surface water, Ca is N2O concentration in air,
and K′H is the dimensionless Henry’s Law constant. Vtot is the
combined gas transfer velocity of N2O that contains both wind
speed and water turbulence. The following equations were used
to calculate water turbulence, Vbenthic (eq 2), and wind
turbulence, Vwind (eq 3).
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The water turbulence was calculated using the river water
velocity (U, m s−1), average depth (h, m), and N2O diffusion
coefficient (D, m s−1) (Table 1 and Table S1 in the Supporting
Information (SI)). The wind turbulence was calculated using
2.78 × 10−6 as the conversion factor from cm h−1 to m s−1, k is
a constant (0.31), u2 is average wind speed adjusted to 10 m (SI
eq 6), Sc is the Schmidt number for N2O defined by the ratio
between kinematic viscosity and N2O diffusion coefficient, and
n was calculated as either 2/3 for wind speeds <3.6 m s−1 or 1/2
for wind speeds >3.6 m s−1.29,30

The following methods were used to calculate the emissions
factor EF5-r according to the IPCC assumption that 0.0025 kg
N2O−N evolves from 1 kg of NO3

−−N leached.4 Mass of N
loss as N2O was estimated monthly based on nitrate loads, river
wetted surface area, flow, and estimated N2O fluxes for each of
the 9 sites. Each variable was calculated for the 9 river reach
sections separately by averaging the central site with its adjacent
upstream and downstream sites. The river wetted surface area
and length were calculated as half the distance above and below
each adjacent site (+3 km for Sites 212 and 94). The NO3

− load
moving through the system was calculated from surface water
concentrations and flow values. The assumption was made that
the mass of NO3

− leaving the system was from N leached.
A third approach measured the contribution of dissolved

N2O from benthic sediments at sites 201, 189, 175, and 160
from June to August 2010. Porewater was collected from six
cross-sectional positions (0, 20, 40, 60, 80, and 100% river
width) and at five depths (2−3, 7−8, 12−13, 17−18, and
30 cm). Samples at depths above 18 cm were collected with
mini-piezometers31 while samples from the 30-cm depth were
collected with a temporary drive point.22 N2O concentrations
were analyzed as described above.
In-situ measurements of dissolved oxygen (DO), pH, elec-

trical conductivity (EC, μS cm−1), and temperature (°C) were
taken using a YSI 556 multiprobe. Wind speed and discharge
were obtained from the California Irrigation Management
Information System32 and California Data Exchange Center,
respectively.33 River depth, width, and velocity were calculated
based on Brown.34 Further, a 60-mL sample of surface and
sediment-porewaters was collected and analyzed within 48 h for
selected water quality constituents. Samples were field-filtered
with a prerinsed 0.45-μm nylon syringe filter (Millipore) and
stored at 4 °C through completion of analyses. Dissolved
organic carbon (DOC) samples were acidified with HCl in the
field to pH <2. The vanadium chloride method was used to
spectroscopically determine NO3

−−N.35 Determination of
NH4

+−N was made spectroscopically using a salicylate analog
of indophenol blue.36 DOC was measured by ultraviolet-
enhanced persulfate digestion and infrared detection (Phoenix
8000; Teledyne Tekmar).
Data normality was determined using the Shapiro−Wilk test.

When necessary, data were log or log+1 transformed to meet
normality assumptions. Two-way ANOVA’s were used to detect
seasonal and spatial patterns in dissolved N2O concentrations,
N2O percent saturation, and estimated N2O fluxes over the 13-
month period. Two-way ANOVA’s were used to test for seasonal
differences in flux chamber measurements of N2O and spatial
differences among the four sites. Two-way ANOVA was used to
detect spatial patterns in N2O sediment-porewater with depth and
site as main effects. Pearson’s correlation was used to examine the
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correlation between independent environmental variables.
Piecewise regression was used to investigate thresholds controls
on N2O. Simple and multiple linear regressions were utilized to
assess correlations between N2O and water quality constituents
and Spearman’s correlation was used to test for nonlinear corre-
lations.37 All statistical analyses were performed in SPSS 14.38

■ RESULTS
River and water quality characteristics for the study period are
provided in Table 1. River discharge varied greatly among
sampling sites and dates ranging from 4.1 to 787 m3 s−1 with
highest flows at downstream sites and during the snowmelt
period in March−April (Figure 2). Water temperatures ranged

seasonally from 8.9 to 28.4 °C. DO ranged from 45% to 110%
of saturation (4.0−10.8 mg L−1) and correlated negatively with
water temperature (r = −0.49, p < 0.001). The pH values were

Figure 2. Plots of mean (a) discharge, (b) temperature, (c) nitrate
concentrations, and (d) dissolved N2O concentrations for upper reach
(sites 212, 201, and 189), middle reach (sites 175, 160, 144), and
lower reach (sites 125, 116, 94). (Error bars represent SE, n = 6).
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similar throughout the year and among sites (range = 7.0−8.5).
Nitrate concentrations ranged from 0.05 to 3.5 mg N L−1 with
concentrations increasing from Site 212 to Site 160 and then
decreasing downstream due to dilution from Sierra Nevada
tributaries (Figure 2). Ammonium concentrations were below
0.3 mg N L−1 for the duration of the study with no statistical
differences between seasons or sites. Dissolved organic carbon
ranged from 1.6 to 9.0 mg L−1.
Dissolved organic carbon and NO3

−−N in sediment-
porewater ranged from 1.8 to 26.9 (mean = 6.8 mg L−1) and
0.01 to 5.38 mg L−1 (mean = 0.60 mg L−1), respectively (Table S1).
Nitrate concentrations decreased with depth at all sites and most
positions (p < 0.01) and were generally <0.05 mg N L−1 below
18 cm. Sediment-porewaters below 18 cm at Sites 201 and 189
were considered to be incoming groundwater demonstrated by
a 2−3 °C difference in temperature between 18 and 30 cm and
distinct increases in EC between the two depths. Dissolved
oxygen concentrations ranged from 0.17 to 6.4 mg L−1 with a
median of 1.0 mg L−1.
Dissolved N2O−N concentrations in surface waters ranged

from 0.31 to 1.60 μg L−1 (mean = 0.91 μg L−1) and were
supersaturated in all samples. Percent N2O saturation ranged
from 186 to 729% with a median value of 362%. Dissolved
N2O−N and percent saturation were significantly different
between months (P < 0.001) showing a strong seasonal pattern
with lowest concentrations in April and highest concentrations
throughout the summer period (June−September) (Table 1,
Figure 2). When averaged by site across all sampling dates,
dissolved N2O concentrations and percent saturation followed
a pattern similar to NO3

− concentrations with increasing N2O
concentrations to middle reach sites and decreasing concentrations
downstream (Figure 2). The dissolved N2O−N:NO3

−−N ratio
ranged from 0.0002 to 0.01 with highest ratios found at the most
upstream site (Table 1).
Model-estimated N2O−N fluxes, calculated from dissolved

N2O−N concentrations and model-based estimates of gas
exchange, ranged from 26.2 to 207 μg m−2 hr−1 and varied
greatly between months (P < 0.001, Figure 3). Lowest fluxes

were found in January coinciding with low water temperatures
and low NO3

− concentrations. Similar to dissolved N2O and
NO3

− concentrations, peak estimated N2O fluxes were typi-
cally found in the middle reach sites (Figure 3). Pooling data
across sampling months indicated temperature and NO3

−−N

concentrations best predicted dissolved N2O−N concentrations
(R2 = 0.86, P < 0.010) and estimated fluxes (R2 = 0.84, P < 0.001).
Measured N2O−N fluxes from Site 201 to Site 160 ranged

from 9.5 to 372 μg m−2 hr−1 with a mean of 135 μg m−2 hr−1

(Figure 4, Table S3). N2O fluxes correlated with dissolved N2O

concentrations (r = 0.56, p < 0.001) and exponentially with
percent saturation (r = 0.62, p < 0.001). Flux chamber measure-
ments of N2O were compared to model-estimated N2O fluxes
from the Sites 201, 189, 175, and 160 during the same sampling
month. Measured fluxes were within the standard deviation for
the model-estimated fluxes but tended to be higher than estimated
values during the summer low-flow period and lower than esti-
mated values during the winter high-flow period (Figure 4).
Measured log-transformed N2O−N fluxes were positively related
with NO3

−−N concentrations (R2 = 0.68, P < 0.001, Figure S1),
with no improvement in predictability with the addition of other
environmental variables.
The Tuolumne and Merced Rivers had slightly higher dis-

solved N2O−N concentrations, averaging 0.97 (range = 0.45−
1.84 μg L−1) and 1.03 μg L−1 (range = 0.42−1.96 μg L−1),
respectively (Table 1). However, the tributary median NO3

−−
N concentrations (<0.3 mg L−1) were considerably lower than
for the main-stem SJR sites. Dissolved N2O in both tributaries
showed seasonal trends parallel to SJR sites and were significantly
related to temperature and NO3

− concentrations (R2 = 0.75, P <
0.001). Surface water from the SAC had low N2O−N (range =
0.4−0.67 μg L−1) and NO3

−−N concentrations (range = 0.07−
0.40 mg L−1) throughout the year (Table 1). In contrast to SJR,
dissolved N2O concentrations from SAC were negatively related
to NO3

− concentrations (R2 = 0.37, P < 0.02), but positively
related to NH4

+ concentrations (R2 = 0.33, P < 0.02).
Dissolved N2O−N concentrations in sediment-porewaters

ranged from <0.01 to 48.9 μg L−1 (mean = 1.52 μg L−1, Figure S2).
Below 8 cm, N2O concentrations were mostly nondetectable, except
for Site 189 which showed maximum N2O concentrations at 30 cm.
Dissolved N2O concentrations in sediment-porewaters were not
significantly different between sites or depths (Figure S2). The
dissolved N2O−N:NO3

−−N ratio ranged from 0.0002 to 1.57 with
highest ratios at the upstream site 212 (Table S1).
The river wetted surface area, per site, varied considerably

(range = 604 589 to 3 763 295 m2) with seasonal changes in

Figure 3. Model-estimated N2O fluxes (error bars SE, n = 18, closed
circles) and nitrate concentrations (error bars SE, n = 10, open circles)
at each site averaged across all sampling months.

Figure 4. Measured (error bars SE, n = 8, closed circles) and model-
estimated N2O fluxes (error bars SE, n = 12, open circles). Data for
estimated fluxes are shown only for Sites 201, 189, 175, and 160 when
N2O fluxes were measured with floating chambers.
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river discharge (Table S2). The calculated EF5-r and total N
loss as N2O−N kg day−1 were totaled for all 9 river segments
(the entire 124 km reach). The cumulative mass of NO3

−−N
transported by the river was calculated for Site 116, the water
quality compliance station in the lower SJR, upstream from
tidal influence. Daily NO3

− loads varied greatly by month and
site ranging from 7713 to 27 514 kg day−1. Estimated N2O−N
fluxes ranged from 16.5 to 63.4 kg N2O−N day−1 with an
annual average of 8.9 kg N2O−N ha−1 yr−1 (Table 2, Table S3).
The EF5-r factor ranged from 0.0012 to 0.0069 kg N2O−N per
kg NO3

−−N (mean = 0.0028) compared to a value of 0.0025
kg N2O−N per kg NO3

−−N for IPCC.

■ DISCUSSION

Changes in NO3
− concentrations have been shown to control

N2O in nitrogen-enriched rivers, streams, and estuaries.13,39−41

In our study, NO3
− was an important predictor of dissolved N2O

and flux chamber measurements of N2O. Long-term trends show
peak river flow at Site 116 between February and April and low
flows, coupled with high NO3

−, between August and September.21

In 2011, the SJR Water Year Index (unimpaired flow at Site 116)
was 170% above average, resulting in higher winter to early
summer flows.33 Rainfall in February significantly increased
mean NO3

−−N concentrations from the previous sampling
event (January = 0.57 to February = 1.49 mg L−1), especially at
upstream sites, due to greater surface runoff and subsurface
agricultural drainage. Kratzer et al. 21 estimated that NO3

−−N
from upstream of Site 212 can contribute up to 50% more
NO3

− during wet years. In contrast, high river flows in April
2011 from above-average Sierra Nevada snowmelt, rather than
agriculture discharge, resulted in a decrease in NO3

−−N
concentrations (0.19 mg L−1).
Dissolved N2O concentrations in surface waters were in the

range of values reported in previous studies on smaller streams
and estuaries,42,43 while N2O saturation was relatively high com-
pared to other studies on lakes (range = 112−209%41,44) and
estuaries (range = 70−363%43), but lower than the average
values in the Tama Estuary (mean = 586%) and River (mean =
1051%45) and the eutrophic Yangtze Delta (range = 175−
4914%46). Flux chamber measurements of N2O (range = 9.5−372
μg m−2 hr−1) were higher than those reported by Beaulieu et al.47

(mean = 12.2−16.2 μg m2 hr−1) and Cole and Caraco48

(mean = 6.3 μg m−2 hr−1) on comparably large rivers.
Dissolved N2O concentrations were best predicted by

temperature and NO3
− concentrations. It is well understood

that denitrifying microbes respond to increases in temperature
and NO3

− availability.49,50 The effects of temperature on N2O
concentrations are similar to those in a comparatively large river
system from Beaulieu et al.,47 but contradictory to Lui et al.,11

who reported higher N2O concentrations with lower temper-
atures in the Wujiang River.
Several indicators in this study suggest denitrification in

shallow anoxic benthic sediments was the main process
responsible for N2O production. Within the river water column
there were persistent oxic conditions, a lack of a relationship
between NH4

+ or DO with N2O concentrations, and a strong
relationship between NO3

− and N2O concentrations. Along the
entire 118 km study reach, anoxic sediments were identified by
iron reduction and removal or the presence of sulfides beginn-
ing at depths ranging from ∼5−10 cm beneath the water
column−sediment interface.22 The benthic sediments were
composed of medium to coarse sands allowing for relatively
rapid exchange of water between the water column and benthic
sediments.51 During the sediment-porewater sampling dates,
the average NO3

− concentrations in the top 2 cm were highest
and decreased rapidly with depth at most sites (Table S1). This
implies the high NO3

− concentrations in the water column dur-
ing the time of porewater sampling resulted in greater delivery
of NO3

− to the anoxic sediments of the hyporheic zone. In
addition, sediment porewater O2 concentrations were mostly
<4 mg L−1 at Sites 201−160.
High NO3

− concentrations can inhibit the reduction of N2O
to N2 resulting in higher N2O yields.52,53 This has been demon-
strated in agricultural soils54,55 and riparian zones56,57 but fewer
studies have measured N2O yield from denitrification in
streams and rivers. Silvennoinen et al 40 found increases in
NO3

− load, which resulted in increases in both N2 and N2O to
the water column. They found that N2O contributed only 3.9%
of total denitrification. In this study, the mean N2O−N:NO3

−−
N ratio in surface waters was 0.002 with a maximum of 0.01.
Whereas, the average N2O−N:NO3

−−N ratio in sediment-
porewaters (0.043) was an order of magnitude higher than

Table 2. Total Loss of N as N2O−N kg day−1 during Transport from Site 212 to 94 and Mass of NO3
− Leaving the System at

Site 116 Compared to the IPCC Estimates Using EF5-r Value of 0.0025 and NO3
− −N:N2O−N kg day−1 Ratio Presented as %

N2O for Each Sampling Event from October 2010 to September 2011a

month R.A. km2c N2O−N kg day−1 N2O−N(IPCC)d NO3
−−N Mg day−1e N2O % N2O−N μg L−1f R. T. hoursg

Oct. 8.81 27.8 25.3 10.1 0.27 1.16 87
Nov.b 11.3 16.5 19.3 7.70 0.21 0.98 83
Jan. 18.1 23.3 41.4 16.6 0.14 0.77 48
Feb. 16.7 33.0 68.8 27.5 0.12 0.70 54
Apr. 25.9 63.4 22.8 9.11 0.69 0.63 47
May 16.0 44.0 41.2 16.5 0.27 0.81 52
Jun. 15.9 43.5 24.8 9.92 0.44 1.00 55
Jul. 10.5 37.5 31.3 12.5 0.30 1.13 71
Aug. 11.8 30.0 52.9 21.2 0.14 0.87 69
Sept. 10.1 31.8 42.2 16.9 0.19 1.07 72
mean 14.5 35.1 37.0 14.8 0.28 0.91 64

aThe values represent the sum of all 9 sites through the 124 km (+3 km for Site 212 and 94) on the day of sampling, each month. Further
information for values at each of the 9 sites can be found in Table S3. bValues represent Sites 189−94 only. cTotal river wetted surface area over the
118 km value from 9 sites (R.A. = River area). dIPCC estimated kg N2O−N emitted per kg NO3

−−N leached based on EF5-r (0.0025). eCalculated
NO3

− loading using NO3
−−N concentrations and flow data from Site 116. fMean dissolved N2O concentrations in surface waters. gR.T. is residence

time of NO3
−−N through the 124 km (+3 km for Site 212 and 94). Data calculated using wetted surface area, flow data, and NO3

− concentrations.
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surface waters. In sum, our data suggest that hyporheic sedi-
ments are a significant source of N2O, produced by denitri-
fication, receiving nitrate from the water column that mixes
with the anoxic sediments.
Although there is strong support in the current study for

denitrification as the main pathway for production of N2O,
other biological processes cannot be ruled out. The processes
responsible for N2O production include nitrification, coupled
nitrification−denitrification, nitrifier denitrification, and dissim-
ilatory nitrate reduction to ammonium (DNRA).58−60 The
IPCC assumes N2O production by nitrification is twice as high
as denitrification for lakes and rivers.4 Nitrification has been
shown to occur in the water column of streams with high sus-
pended solids or diffusion from oxic sediment layers.61,62

Although increases in turbidity have been associated with high
flows in SJR,63 a relationship between dissolved N2O and NH4

+

in surface waters was not found. Our range of NH4
+ concen-

trations in the water column may have been too low to indicate
the relative importance of N2O formation by nitrification of NH4

+.
N2O can be augmented by coupled nitrification−denitrification at
the aerobic−anaerobic sediment interface. Ammonium concen-
trations in sediment-porewaters were greater at 18 and 30 cm
compared to the 2 cm depth (Table S1). The elevated NH4

+

(maximum = 48.5 N L−1) was presumed to be formed by
anaerobic mineralization.22 As NH4

+ transports upward entering
more oxic water, nitrification is favorable, thus contributing to
NO3

− and potentially N2O production. This was demonstrated in
this study by the opposing fluctuation of NH4

+ and NO3
−

concentrations with depth (Table S1). When oxygenated river
water infiltrates within shallow benthic sediments, coupled nitri-
fication and denitrification can contribute to N2O production.
N2O concentrations in sediment-porewaters tended to be highest
in the upper 18 cm of the sediment column that typically
contained the oxic−anoxic transition zone. Thus as NH4

+ diffuses
upward, it can be nitrified to NO3

−, which coupled with NO3
−

inputs from surface waters, creates a hot spot for dissolved N2O
production. Given the limited temporal and spatial sampling of
porewater chemistry, further intense field studies are recom-
mended to validate the current observations.
The chamber-measured N2O fluxes were in good agreement

with the model-estimated N2O fluxes from Sites 201−160. Gas
transfer velocities in large bodies of water are controlled by
turbulence from wind, whereas in smaller streams turbulence is
a function of water movement over sediments and transfer
velocities are a function of river depth and velocity.64 Various
wind and benthic driven models have been proposed for calcu-
lating gas transfer velocities65,66 and previous studies have
found other parameters such as wind fetch and organic matter
can contribute to gas transfer velocity.67,68 Five alternative gas
transfer velocity models were used to estimate N2O fluxes and
compare with the method used in this study.66,69,70 The five
models were chosen to compare gas transfer velocities based on
wind-driven turbulence, water turbulence, and three methods
using a combined wind and water turbulence to estimate N2O
gas fluxes (Section S7). The estimated fluxes showed variability
among the five models (Figure S3). The variance among the
different equations for estimated fluxes increased with in-
creasing river size (Figure S3) and during May 2011, where
wind speed was above 3.6 m s−1 (Figure S4). The efficiency of
floating chambers has been debated due to effects of wind
turbulence overestimating N2O fluxes.65,71 Paired t tests between
measured N2O fluxes and model-estimated fluxes were not
significantly different except for eq 7 (Section S7), where the wind

turbulence was not incorporated into the estimated fluxes.
Using equations that did not use wind turbulence resulted in
considerably lower estimated fluxes compared to measured
fluxes. Likewise, without incorporating the effects of water
turbulence (eq 5), estimated fluxes were lower than measured
fluxes and the other estimated fluxes (eq 7−10) using the
combined wind and water turbulence. On rivers such as the SJR
that vary annually and between reaches, using a combined
wind/water turbulence model produced the best fit with chamber-
measured N2O fluxes. As there was a large variation between
models at high flow, in agreement with Raymond et al.,66 caution
should be used when modeling N2O fluxes for larger rivers.
Improving methods for accurately measuring and modeling N2O
emissions from high-order streams is critically needed.
Investigating diurnal variability in N2O was beyond the scope

of this study, although significant differences between water
chemistry characteristics and dissolved N2O concentrations
were not found between 09:00 and 21:00 at Sites 144 and 94.
Harrison et al.10 found rates of N2O production to be greatest
during the day and minimal at night, whereas Baulch et al.72

found inconsistent patterns of N2O fluxes over 24 h. Rosamond
et al.73 found most of their sampling events demonstrated an
increase in N2O at night in association with decreased O2
concentration, while some sampling events showed increases in
N2O in both day and nighttime. As previous studies on the SJR
have recorded diurnal shifts in O2 and NO3

−, future research on
N2O in the SJR is necessary to verify the results of our diurnal
investigation.74,75

Dissolved N2O and NO3
− concentrations measured in the

SAC did not vary significantly over the duration of the study. A
significant relationship between N2O and NH4

+ in the SAC
suggests that nitrification may be a source of N2O production.
Previous studies have identified the Sacramento Regional
Wastewater Treatment Plant as a significant contributor of
NH4

+ in the lower SAC.51 This may contribute to increases in
N2O via nitrification in the water column during downstream
transport. Pakulski et al.76 observed a similar pattern in the
Mississippi River with high NH4

+ concentrations stimulating
the occurrence of nitrification in the water column.
It is well documented that N removal is less efficient as river

flow and depth increase during downstream transport.77,78 This
is due to a greater volume of water resulting in less contact
between the water column NO3

− and benthic sediments (i.e.,
decreased benthic sediment to water volume ratio) and lower
hydrologic residence times. In many cases, hydrologic charac-
teristics (i.e., discharge, depth, width) were found to be equally
as important as biological characteristics.79 In this study, NO3

−

residence time demonstrated a first-order inverse relationship
with depth and flow (Table S1). This is consistent with pre-
vious studies on the physical parameters of nutrient transport
downstream in streams and rivers.80 Less is known about how
hydrologic characteristics influence loss of N by N2O fluxes
during downstream transport. At Site 212, where the benthic
surface area to water volume ratio was highest (range = 0.44−
1.83, mean = 0.91), there was a greater N2O−N:NO3

−−N ratio
(range = 0.00045−0.01). In addition, the dissolved N2O−
N:NO3

−−N ratio from sediment-porewater in the top 8 cm at
Site 201 (mean = 0.038) was ∼3 times higher than that in surface
waters and any measured porewater from the other sites. When
accounting for N2O−N loss from each of the 9 river sections
across all months, piecewise regression showed that N2O−N was
positively related to NO3

−−N concentrations when river flow
was less than 65 m3 s−1. Above this threshold, stepwise linear
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regression showed that the width of the river was more
important than NO3

−−N, predicting 66% (P < 0.004) of total
N loss as N2O. This suggests loss of N2O was more dependent
on river hydrological influences, such as flow and benthic to
water volume ratios, at higher flows.
To determine the magnitude of N2O fluxes from the SJR,

assessments of N loss as N2O were compared to those
estimated using the IPCC EF5 protocol. Estimated N loss as
N2O from the SJR were up to 3 times greater than those
estimated using IPCC flux estimates of N2O per kg NO3

−−N.
Clough et al.12 and Baulch et al.72 found comparable values
with the 2007 IPCC EF5-r value modifications. The findings
from this study suggest calculating the EF5-r using the IPCC
protocol may be an oversimplified method when applied to
high-order streams. Changing flow, turbulence, width/depth
ratio, and hydraulic residence times will certainly have an in-
fluence on N2O production rates over the course of a year. In
agreement with Baulch et al.81 and Clough et al.,17 a revision to
the IPCC EF5 factor with consideration of river hydrological
characteristics may be warranted.
This study provides the first data on dissolved N2O and

fluxes for the eutrophic SJR. Results from this study suggest
denitrification is the primary source of N2O within the SJR.
Moderately high N2O fluxes compared to smaller streams and
larger rivers highlight that SJR can be a significant source of
indirect N2O emissions. Guo et al.82 modeled direct N2O emissions
from agricultural soils using the denitrification−decomposition
(DNDC) model and estimated annual N2O emissions from all
agricultural fields in California was 1.27 × 104 Mg N with 83%
located within the Central Valley. Specifically, annual N2O emissions
from San Joaquin County agricultural fields averaged 11.0 kg N ha−1

yr−1 and accounted for 11% of the total N2O emissions from
California agricultural fields. Comparatively, N2O−N emissions
from the SJR wetted surface area were 5.7 kg N ha−1 yr−1. This
emphasizes the critical need to improve management efforts to
reduce NO3

− loading in the SJR. Additionally, results from the study
illustrate the potential for other N2O generating processes such as
nitrification and indirectly, production of NH4

+ by anaerobic
mineralization. As there is currently a lack of information on N2O
within the SJR, further research should focus on estimating emis-
sions in addition to N2O production by denitrification and
nitrification potential from water column and benthic sediments.
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