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Environment shapes invertebrate assemblage
structure differences between volcanic spring-
fed and runoff rivers in northern California

Robert A. Lusardi1,4, Michael T. Bogan2,5, Peter B. Moyle1,6, and Randy A. Dahlgren1,7

1Center for Watershed Sciences, University of California, Davis, California 95616 USA
2School of Natural Resources and the Environment, University of Arizona, Tucson, Arizona 85719 USA

Abstract: Flow variability plays an important role in structuring lotic communities, yet comparatively little is
known about processes governing assemblage dynamics in stream ecosystems with stable environmental condi-
tions, such as spring-fed rivers. Volcanic spring-fed rivers (hereafter spring-fed rivers) occur in geologically
active landscapes of the western USA and around the globe. We sampled invertebrate assemblages and quanti-
fied primary productivity and habitat characteristics of spring-fed and runoff rivers in northern California over
4 seasons. We predicted that abiotic factors would be more stable and nutrient availability greater and that in-
vertebrate density would be greater and diversity lower in spring-fed than in runoff rivers. Runoff rivers exhibited
high variability in discharge and temperature, whereas spring-fed rivers were relatively stable with high naturally
occurring nutrient levels. On average, NO3

− and PO4
3− concentrations were 40× greater in spring-fed than in runoff

rivers. Spring-fed rivers supported nearly 7 to 16× greater densities of invertebrates than runoff systems, depending
on season. However, invertebrate species richness was greater in runoff rivers in all seasons. Spring-fed river in-
vertebrate assemblages were strongly correlated with elevated nutrient concentrations and basal C sources, whereas
runoff assemblages were associated with discharge variability and median substrate size. We suggest that strong
differences in abiotic variability between spring-fed and runoff rivers play an important role in determining inverte-
brate assemblage structure. Because spring-fed rivers exhibit more stable temperatures throughout the year and
lower temperatures during the summer than runoff rivers, they may provide essential refugia for coldwater taxa in a
warming climate.
Key words: volcanic spring-fed rivers, community structure, abiotic stability, disturbance, nutrients, flow regime

Flow regimes are widely regarded as having high explan-
atory power regarding biological trends and patterns in lo-
tic ecosystems. As a result, many investigators have focused
on the magnitude and frequency of peak events and their
direct effects on biotic communities (Townsend et al. 1997,
Death and Zimmermann 2005, Greenwood and Booker
2014). Fluctuations in discharge can cause mortality directly
through high- and low-flow events, but they also influence
temperature, nutrient availability, food resources, habitat
structure, and species interactions (Peckarsky et al. 1990,
Stanley et al. 1994, Freeman et al. 2001, Allan and Castillo
2007). All of these factors can affect aquatic community
composition. For example, invertebrate diversity was posi-
tively correlated with increasing stream temperature in a
study by Jacobsen et al. (1997), and Barquín and Death
(2011) suggested that temperature variability can facilitate
increased invertebrate diversity in streams. Less understood,

however, is the response of stream invertebrate communi-
ties to relatively stable environmental conditions.

Flow regimes of most rivers are dominated by runoff
events, but spring-fed systems are primarily regulated by
groundwater discharge and may show little to no response
to local precipitation events. Volcanic spring-fed rivers
(henceforth, spring-fed rivers) are underlain by young vol-
canic terrains that promote deep regional groundwater
flow and stable discharge at springhead locations (Tague
and Grant 2009). Consequently, abiotic drivers most re-
sponsible for structuring aquatic invertebrate communi-
ties in runoff-dominated rivers (henceforth, runoff rivers),
such as discharge and temperature, show comparatively
minimal seasonal variation in spring-fed rivers (Tague and
Grant 2004, Tague et al. 2007, Lusardi 2014). Stable envi-
ronmental conditions coupled with naturally occurring nu-
trient inputs alsomay enhance invertebrate density in spring-
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fed systems when compared with runoff rivers (Barquín and
Death 2004). While the hydrologic and geomorphic nature
of spring-fed rivers has been documented (Whiting and
Stamm 1995, Whiting and Moog 2001), we know compar-
atively little about how these systems function ecologically
(Cantonati et al. 2012).

The mechanisms influencing species abundance and di-
versity are complex, but the need to understand them is ur-
gent because stream ecosystems are changing rapidly as a
result of land use, water withdrawals, and climate change
(NRC 2004, Stewart et al. 2005). Coldwater habitat in the
western USA and elsewhere is projected to decline signif-
icantly with decreasing summer base flows and increasing
stream temperatures (Stewart et al. 2005, Bryant 2009,
Wenger et al. 2011). These 2 climate-induced effects may
have a negative synergistic effect on coldwater biota as the
time between elevated summer water temperature and
autumn base flow declines (Arismendi et al. 2013). Spring-
fed rivers may exhibit more stable temperatures through-
out the year and lower temperatures during critical sum-
mer periods and, therefore, potentially provide important
refuge habitat for stream invertebrates and other native cold-
water biota.

We compared invertebrate communities and environ-
mental variables across multiple seasons in spring-fed and
runoff rivers in northern California, USA. Our objectives
were to understand how spring-fed rivers function ecolog-
ically through time, explore the mechanisms influencing
invertebrate community structure within these ecosystems,
and consider the potential role of spring-fed rivers as cold-
water refuges in a rapidly changing climate.We predicted that
abiotic factors would be more stable and nutrient avail-
ability higher in spring-fed than in runoff rivers and that
invertebrate density would be greater and diversity lower.

METHODS
Study sites

We conducted our study in the upper Sacramento River
basin of northern California, a large watershed (10,129 km2)
encompassing 3 primary subbasins including the upper
Sacramento, McCloud, and lower Pit Rivers. Significant
portions of the watershed are managed by the US Forest
Service for recreation, grazing, agriculture, and timber har-
vest, whereas other portions are privately owned. The ba-
sin includes parts of both the Cascade Range and Klamath
Mountains geomorphic provinces and has variable geol-
ogy, including young volcanic rock and older metamorphic
and sedimentary rock (Rose et al. 1996). Most precipita-
tion in the region falls as snow during winter, but hydro-
logic pathways to rivers vary greatly depending on geology.
In volcanic portions of the drainage, snowmelt is routed
through deep subsurface flow paths that recharge aquifers
and support large spring-fed rivers. In metamorphic and
sedimentary portions of the basin, snowmelt travels as

overland or shallow subsurface flow to runoff rivers. We
examined invertebrate assemblage structure and environ-
mental variables in 3 spring-fed (Hat Creek, Fall River, and
Rising River) and 3 runoff rivers (South Fork Sacramento
River, Castle Creek, McCloud River) in the upper Sac-
ramento River basin (Fig. 1). Study streams ranged be-
tween 12 and 29 m wide with discharge between ∼1.1 and
99.1 m3/s depending on season and sampling period.

Data collection
At each river, we delineated a 50-m sampling reach

based on geomorphic similarity between stream types
(spring-fed vs runoff ). We collected stream temperature
and stage data at 30-min intervals for the entire 12-mo
period (October 2012–October 2013) with HOBO Pro v2
(Onset Computer Corporation, Bourne, Massachusetts)
water temperature data loggers and Global Water WL-16
(Global Water Instrumentation, College Station, Texas)
submersible pressure transducers. We collected water sam-
ples monthly at each site to quantify suspended chloro-
phyll and water chemistry (pH, NO2

−+NO3
− [NO3-N], and

soluble reactive PO4
3− [SR-PO4

3−]). We used the ammo-
nium molybdate spectrophotometric method (limit of de-
tection [LOD] ≈ 0.005 mg/L) to measure SR-PO4

3− (APHA
1998) and the vanadium chloride spectrophotometric method
to measure NO3-N (LOD = 0.01 mg/L) (Doane and Hor-
wáth 2003). We sampled suspended chlorophyll by filter-
ing 1000 mL of water through a precombusted glass-fiber
filter (GF/F) in the field. We freeze-dried filters and ex-
tracted chlorophyll with 90% ethanol prior to quantifica-
tion by fluorometry and converted to pigment concentra-
tion (chlorophyll a [chl a] and pheophytins) (APHA 1998).
We characterized bed particle size followingWolman (1954)
and calculated median particle size (D50) for each river.

We collected stream invertebrates and particulate or-
ganic matter seasonally (October 2012, January, May, and
July 2013) at each site. We randomly selected 3 transect
lines at each 50-m reach and sampled each transect at
3 locations (left, center, right) across the wetted width
of the reach. We collected invertebrates by disturbing
0.09 m2 of substratum to a depth of ∼6 cm while captur-
ing entrained invertebrates immediately downstream in a
D-net (500-μm mesh). We composited invertebrate sam-
ples for each transect to yield 3 composite samples (each
with sampled area = 0.27 m2) for each river reach. In the
laboratory, we used a Folsom plankton splitter to sub-
sample each sample to reach a minimum count of 500 or-
ganisms if the sample contained >500 individuals [ind].
Otherwise, we identified all invertebrates in the sample.
Stream insects and most noninsect taxa were identified to
lowest practical level (usually genus or species) with the
aid of keys published by Merritt et al. (2008), Wiggins
(1996), Smith (2001), and Thorp and Covich (2001), as
well as various taxon-specific references. We identified oli-
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Figure 1. Site locations in the upper Sacramento River drainage.

gochaetes to class and freshwater leeches (Glossiphonii-
dae) and fingernail clams (Sphaeriidae) to family. We also
classified taxa into functional trait groups based on infor-
mation published by Merritt et al. (2008).

We collected particulate organic matter (POM) sam-
ples with the same procedures as for invertebrates (n = 3
sites/season), but we offset the transect lines by 1 m to
ensure that we were not resampling a previously disturbed
area. We stored POM samples frozen until we processed
them in the laboratory. We thawed the samples and sepa-
rated particles into 2 size classes, fine particulate organic
matter (FPOM < 1 mm) and coarse particulate organic
matter (CPOM > 1 mm) with the aid of a 1-mm-mesh
sieve. We dried each FPOM and CPOM sample individu-

ally at 60°C for ≥48 h and weighed it on an analytical
balance (±0.01 g). We combusted dried samples in a muf-
fle furnace at 475°C for 90 min or until the entire sample
consisted of ash. We cooled the samples and reweighed
them before calculating ash-free dry mass (AFDM g) of
POM by subtracting the mass of inorganic residue from
the precombustion dry mass.

We collected 3 epilithic algae samples from each stream
during each seasonal sampling period. Each sample con-
sisted of 3 cobbles selected from previously delineated
transects at locations not previously disturbed by inverte-
brate or POM sampling. We used a small brush to remove
biofilm from a 6.45-cm2 area from each cobble, rinsed the
biofilm into a tray, and transferred the composite sample
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into a sterile sample bag. We immediately enclosed the
samples in a dark bag and placed them on dry ice where
they remained frozen until processing. In the laboratory,
we thawed and filtered samples through a precombusted
GF/F. We recorded the volume of sample water for each
sample to account for dilution effects. We analyzed the
filters for chl a and pheophytins and reported pigment
concentrations as benthic chl a (μg/m2). We visually esti-
mated total aquatic macrophyte and bryophyte % cover at
all sites during each sampling period.

Data analyses
We examined flow-regime stability by calculating the

coefficient of variation (CV) for the ratio of mean annual
stage or discharge to monthly mean stage or discharge at
locations where we collected stage data (i.e., Castle Creek,
Rising River, and Fall River) or where we were able to
acquire discharge data from existing stream gauges (Hat
Creek and McCloud River) (Sear et al. 1999). Neither
stage nor discharge data were available for the South
Fork Sacramento River, so we used discharge from a
downstream US Geological Survey (USGS) gauge on the
Sacramento River that records the same winter storm and
runoff events. We used flow CVs to assign rivers to 1 of
3 flow-variability classes: highly stable (CV ≤ 0.25), mod-
erately fluctuating (0.25 < CV ≤ 0.50), or highly fluctuat-
ing (0.50 < CV ≤ 1.0). To assess temporal variability in
water temperature between river types, we calculated daily
mean, minimum, and maximum water temperature for
each river during the study period. We used the daily
averages to calculate the standard deviation (SD) for each
month and each river to understand dispersion from the
mean between river types. Last, we fit a sine/cosine func-
tion with 2 predictor variables to the daily average tempera-
ture data associated with each stream using the regression
equation:

Tempd ¼ μþ b1sin
� 2πd
365

�
þ b2 cos

� 2πd
365

�
; ðEq:1Þ

where d is the Julian date, μ is the annual mean tempera-
ture, and b1 and b2 are regression coefficients. We then
ran a multiple linear regression, solved for the regression
coefficients for each stream, and calculated annual temper-
ature amplitude using the equation:

A ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
ðb21 þ b22Þ

q
; ðEq:2Þ

where A is the annual temperature amplitude and b1 and
b2 are solved regression coefficients (Anderson 1971).

We calculated benthic invertebrate density (individu-
als [ind]/m2) based on the fraction of each sample sorted

and the area of stream bed sampled. To correct for non-
normality and heteroscedasticity, we ln(x)- or √(x)-
transformed data as appropriate before statistical tests.
We used linear mixed-effects models to test for differ-
ences in taxonomic richness, Shannon–Wiener diversity,
total invertebrate density, functional trait groups, POM,
chl a, NO3-N and SR-PO4

3– concentrations, and pH be-
tween river types. Each model included stream type as
a fixed effect and individual streams as a random effect,
thus allowing an estimate of the effect of stream type on
invertebrate community composition (or environmental
constituent) while controlling for differences between in-
dividual streams. Season and interaction terms were in-
cluded in all models. We ran a parallel series of analyses
that included an autoregressive (AR1) correlation struc-
ture for each dependent variable tested to assess the po-
tential for temporal autocorrelation in our data sets. If
the addition of the correlation structure significantly im-
proved model fit, then we presented those results. To con-
firm normality, we used Shapiro–Wilk tests. When data
violated assumptions of normality, we applied a 95th-
percentile Winsorization to adjust the most extreme out-
liers (Tukey 1962). We then reran the linear mixed-effects
model on theWinsorized data. We rarified taxonomic rich-
ness data prior to statistical analysis to account for the
potential effects of invertebrate abundance on assemblage
richness (Gotelli and Colwell 2001). We used a Welch t-
test to examine potential differences in median bed particle
size, temperature amplitude, and the CV for stage between
river types.

We used nonmetric multidimensional scaling (NMDS)
to visualize invertebrate assemblage differences between
river types over all seasons. We √(x)-transformed data
prior to analysis and used Sørensen (Bray–Curtis) dis-
tance to measure dissimilarity between samples. We over-
laid environmental factors as vectors within the NMDS
ordination based on Pearson’s correlation coefficients be-
tween each factor and ordination axis. For temperature, we
used mean monthly temperature for the corresponding
invertebrate sampling period. For stage, we used mean an-
nual stage divided by mean monthly stage for each river as
a measure of stage variability between river types at each
seasonal period. We used indicator species analysis (Dufrêne
and Legendre 1997) to identify those taxa that contributed
to community distinction between river types. Indicator
values are a function of relative presence and exclusivity of
a particular taxon to river type over all sampling periods
(McCune and Grace 2002).

We conducted statistical analyses in R, using the lme4
(Bates et al. 2014) and nlme (Pinheiro et al. 2014) packages
for linear mixed-effects models and the vegan (Oksanen
et al. 2013), betapart (Baselga and Orme 2012), and ecodist
(Goslee and Urban 2007) packages for NMDS. We used
PC-ORD (McCune and Mefford 2006) to run indicator
species analysis.
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RESULTS
Abiotic variables

D50 did not differ between spring-fed and runoff
rivers (t-test, p = 0.15), but spring-fed rivers exhibited
smaller substrate classes, on average, than runoff rivers
(D50 = 28 mm vs 119 mm). NO3-N and SR-PO4

3– con-
centrations differed between spring-fed and runoff rivers
(F1,4 = 96.7, p < 0.001; F1,4 = 189.14, p < 0.001, respec-
tively; Fig. 2A, B). Over all sampling periods, NO3-N and
SR-PO4

3– concentrations were, on average, 40× greater
in spring-fed than runoff rivers.

Neither mean water temperature (F1,4 = 2.55, p =
0.19) nor the difference in temperature amplitude (t =
–2.41, df = 2.695, p = 0.12) differed between spring-fed
and runoff rivers during the study period. However, both
the SD and amplitude patterns associated with water
temperature showed modest effect sizes (Fig. S1). Runoff
rivers, on average, showed 1.12 SDs of the mean temper-
ature, whereas spring-fed rivers exhibited ½ this effect
size at 0.66 SDs of the mean. Shifts in temperature ampli-
tude were greater for runoff than spring-fed rivers. This
pattern is best illustrated by the annual average thermo-
graph for each river type, wherein spring-fed rivers clearly
dampen the most extreme temperatures during winter and
summer (Fig. 3). Last, the CV for stage/discharge differed
markedly between river types (t-test, p < 0.03; Fig. S2). On
average, spring-fed rivers were much more stable (CV =
0.08) than runoff rivers (CV = 0.64).

Biotic variables

Basal resources. Neither FPOM nor CPOM differed be-
tween river types (F1,4 = 1.22, p = 0.33; F1,4 = 0.013, p =
0.94; respectively). Overall mean CPOM values did not dif-
fer, but spring-fed rivers had a 26× increase in FPOM com-
pared to runoff rivers during the July sampling period.
Chlorophyll a of benthic (F1,4 = 0.30, p = 0.61) and
suspended (F1,4 = 3.8, p = 0.12) algae did not differ between
river types. However, season affected chl a of benthic algae
in spring-fed and runoff rivers, with peak concentration
during October and a strong decline through July (F3,12 =
5.98, p < 0.01). Season (F11,36 = 6.27, p < 0.001) and season
× river type (F11,36 = 4.64, p < 0.001) affected chl a of
suspended algae (Fig. 2C). During the winter sampling pe-
riod, suspended chl a concentration increased 10× in spring-
fed compared to runoff rivers. Bryophytes and macrophytes
were observed only in spring-fed rivers and varied seasonally
with peak channel coverage in summer and autumn sam-
pling periods (Table 1).

Invertebrate abundance and diversity. We found strong
differences in invertebrate density (F1,4 = 16.83, p < 0.05)
between river types (Fig. 4A). Over all sampling periods,
spring-fed rivers supported nearly 7× greater invertebrate
densities than runoff rivers. The differences were most
pronounced in winter, when spring-fed rivers supported
16× higher densities than runoff rivers. Maximum densi-
ties occurred in autumn in runoff rivers (2037 ind/m2) and
in summer in spring-fed rivers (10,739 ind/m2). Inverte-
brate density did not vary seasonally within river type.

We identified 155 distinct taxa over all sampling pe-
riods. After data were rarified, we found differences in tax-
onomic richness (F1,4 = 44.2, p < 0.01; Fig. 4B) and Shannon–
Weiner diversity between river types (F1,4 = 15.31, p < 0.05;
Fig. 4C). Taxonomic richness was strongly seasonal, and both

Figure 2. Mean (±1 SE) monthly streamwater NO3-N (A),
soluble reactive PO4-P (B), and suspended chlorophyll a (C)
concentrations at runoff-dominated and spring-fed rivers.
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river types showed peak richness in July and declines in Janu-
ary (F3,12 = 32.98, p < 0.001), but the magnitude of change
was stronger in runoff rivers. Taxonomic richness was simi-
lar in spring-fed and runoff rivers in winter, but taxonomic
richness in summer was nearly 2× higher in runoff than in
spring-fed rivers.

Relative abundances of functional trait groups did not
differ between river types, except for the predator func-
tional guild (F1,4 = 22.45, p < 0.01), which also showed a
modestly strong seasonal effect (F3,12 = 4.82, p < 0.05;
Fig. S3). On average, relative abundances of predators
were 5× higher in runoff than spring-fed rivers (21 vs 4%,
respectively) over all sampling periods. The relative abun-
dance of predators was stable through time in spring-fed
rivers, but it was far more variable in runoff rivers and
exhibited a bimodal pattern with peaks in autumn and
spring. No other seasonal effects were observed between
river types for functional guilds, except grazers (F3,12 =
9.39, p < 0.01), which had higher relative abundances in
January for both river types.

Invertebrate community composition. Samples from
spring-fed and runoff rivers were segregated along the

first NMDS axis, but the arrangement of samples also
suggested 3 distinct assemblage clusters (stress = 0.12,
cumulative R2 = 0.98; Fig. 5). Within the spring-fed river
cluster, Fall River samples exhibited lower NMDS axis
2 values than did samples from Rising River and Hat
Creek. This distinct cluster of Fall River samples had
higher water temperatures than samples from the other 2
spring-fed sites (Table 2, Fig. 5). Correlations were strong
between several measured environmental variables and
NMDS axes (Table 2). NO3-N, SR-PO4

3–, suspended chl
a, and FPOM were positively correlated with NMDS axis 1
(r = 0.77, 0.89, 0.71, and 0.49, respectively), whereas D50

and stage variability were negatively correlated with axis 1
(r = –0.71 and –0.47, respectively). The only factor with a
sizable correlation (|r| > 0.25) with NMDS axis 2 was
mean monthly water temperature (r = –0.27). Benthic chl
a (r = 0.30) and CPOM (r = 0.37) were not strongly corre-
lated with any compositional gradients in the NMDS ordi-
nation. Indicator species analysis revealed that 14 and
23 taxa were significant indicators for runoff and spring-
fed rivers, respectively (Table 3). Mollusks (Gastropoda), may-
flies (Ephemeroptera), and caddisflies (Trichoptera) were
common indicators of spring-fed rivers, whereas flies (Dip-
tera) were frequently indicators of runoff rivers. Predators
accounted for 31 and 13% of all significant indicators for
runoff and spring-fed rivers, respectively. The caddisfly
Amiocentrus aspilus and the gastropods Fluminicola and
Juga were the only taxa always present in spring-fed rivers
and exclusive to those systems (indicator value [IV] = 100,
p < 0.001). No taxon was present throughout all sampling
periods and exclusive to runoff rivers, but several midge
(Chironomidae) genera and the stonefly Sweltsa (Chloro-
perlidae) were strong indicators for runoff rivers (IV > 70).

DISCUSSION
Environmental characteristics and invertebrate com-

munity structure differed significantly between spring-fed
and runoff rivers. As predicted, spring-fed rivers exhib-
ited more stable flow regimes, muted seasonal tempera-
ture variability, and higher nutrient availability than runoff
rivers. Spring-fed rivers also supported higher invertebrate

Figure 3. Mean daily water temperature at runoff-dominated
and spring-fed rivers during the study period.

Table 1. Total % macrophyte and bryophyte coverage at each sampling reach between October 2012
and July 2013.

River Type

% macrophyte/bryophyte cover

October January May July

Fall River Spring-fed 60 25 50 60

Hat Creek Spring-fed 75 10 50 70

Rising River Spring-fed 95 5 75 90

South Fork Sacramento River Runoff 0 0 0 0

Castle Creek Runoff 0 0 0 0

McCloud River Runoff 0 0 0 0
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densities, but lower diversity than runoff rivers. Accord-
ingly, spring-fed and runoff rivers supported distinct in-
vertebrate communities.

Invertebrate density
Spring-fed rivers supported, on average, 7× greater in-

vertebrate densities than runoff rivers over all sampling
periods. These differences probably are attributable in large
part to environmental variability between river types, with
discharge, nutrient availability, and habitat playing particu-
larly important roles. Discharge generally has an inverse re-
lationship with invertebrate density (Suren and Jowett 2006,
Benson et al. 2013). Streambed disturbance as a result of
increasing discharge also has been implicated as a primary

mechanism influencing invertebrate community change (Resh
et al. 1988, Cobb et al. 1992, Townsend et al. 1997, Lake 2000,
Tonkin andDeath 2012). Hydraulic stress and sedimentmobi-
lization during peak discharge events probably contributed to
the seasonal declines in invertebrate density in runoff rivers
(Cobb et al. 1992).

Nutrient concentrations also influence invertebrate den-
sity in streams. Most stream ecosystems are naturally nutri-
ent limited, and small increases in a limiting nutrient can
enhance primary production with cascading effects on con-
sumers (Hart and Robinson 1990, Slavik et al. 2004, Cross
et al. 2006). We found that nutrient levels were significantly
enhanced in spring-fed rivers and probably contributed to
increased invertebrate density at these sites. Benstead et al.
(2005) found that invertebrate abundance was 4 to 7×
greater in an oligotrophic stream ecosystem after the addi-
tion of N and P and suggested that these changes were a
result of enhanced food resources. Perrin and Richardson
(1997) found that N and P additions to mesocosms in-
creased mean invertebrate density by 70% over a period of
33 d and attributed their results to an increase in epilithic
algal production.

Differences in nutrient concentrations between river
types probably influenced invertebrate density via trophic
pathways in our study, but differences in density also may
result fromhabitat-mediated effects. Bryophytes andmacro-
phytes can increase invertebrate density by increasing struc-
tural habitat complexity relative to complexity in typical
stream bedforms, such as gravels (Brusven et al. 1990, Strayer
and Malcom 2007, Shupryt and Stelzer 2009). Bryophytes

Figure 4. Mean (±1 SE) seasonal stream invertebrate density
(A), rarified taxonomic richness (B), and Shannon–Weiner
diversity (C) at runoff-dominated and spring-fed rivers.

Figure 5. Nonmetric multidimensional scaling of invertebrate
communities at runoff-dominated and spring-fed rivers over the
entire study period with fitted environmental variables as vectors
indicating the direction of environmental gradients (vector di-
rection) and the strength of the gradient (length of vector). D50 =
median particle size, FPOM = fine particulate organic matter,
PO4 = soluble reactive PO4

3–, NO3-N = NO2
–+NO3

–, stage =
coefficient of variability for flow, SF Sacram. = South Fork
Sacramento, R. = river.
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and macrophytes were a dominant habitat feature in our
spring-fed rivers, where they accounted for up to 95% of
the entire sampling reach depending on season. Lusardi
(2014) used a manipulative experiment to show that inver-
tebrate densities were up to 9× greater on aquatic
macrophytes than on gravel substrates in a spring-fed river
in northern California. Thus, in addition to environmental
stability and traditional bottom-up effects, differences in
invertebrate density also may have been mediated through
changes in functional habitat structure.

Invertebrate diversity and community composition
Runoff rivers supported greater invertebrate taxonomic

diversity than did spring-fed rivers over all sampling pe-
riods. Few previous investigators have directly compared
invertebrate diversity patterns between spring-fed and run-
off systems. Barquín and Death (2004) found that runoff
rivers supported higher invertebrate diversity than spring-
fed streams in Spain. They attributed the lower diversity in
spring-fed systems to several factors, including increased
predation pressure by a dominant amphipod. In contrast,
Barquín and Death (2006) found that invertebrate assem-
blages in New Zealand spring-fed streams were more di-
verse than those from runoff streams, and this result was
corroborated by Tonkin and Death (2012). Barquín and
Death (2006) suggested the pattern was caused by high en-
vironmental stability and resource levels in New Zealand
spring-fed streams and by the fact that predator assem-
blages in these streams were more diverse than those in
Spanish springs. Furthermore, they suggested that high in-
vertebrate predator diversity in spring-fed systems meant
that density-dependent mechanisms, such as predation,
played an important role in regulating total invertebrate
diversity.

We also found distinct invertebrate assemblages in
spring-fed and runoff rivers, and increased flow variability

was strongly associated with runoff-river assemblages (Ta-
ble 2, Fig. 5). Barquín and Death (2006) did not explicitly
measure flow variability, but they did find that inverte-
brate assemblages in New Zealand runoff streams were
correlated with decreased habitat stability, which probably
would be caused by increased flow variability. In Swit-
zerland, von Fumetti and Nagel (2012) found that spring
systems with higher discharge supported greater inverte-
brate diversity, and they suggested that high-flow events
may create space for additional species colonization. High
variability in stage and discharge during winter and spring
floods in runoff rivers, as apparent in our study, is an
important annual disturbance exerting strong selection
pressure on stream biota and broader assemblage pat-
terns (Resh et al. 1988, Lytle and Poff 2004). Population
reductions associated with these high-flow events may reset
the competitive landscape annually, keeping runoff rivers
in a nonequilibrium state of low density and high spe-
cies diversity (Connell 1978). Alternatively, Death and Bar-
quín (2012) suggested that stream invertebrate diversity–
disturbance relationships may be geographically dependent,
relying instead on phylogenetics or life-history divergence.

We found that midge, stonefly, mayfly, mite, and riffle
beetle taxa were indicative of runoff rivers, similar to run-
off streams in Spain and New Zealand (Barquín and Death
2004, 2006). Many of these indicator taxa have adaptations
to abiotic unpredictability. Several mayfly and midge gen-
era indicative of our runoff rivers have short life cycles
with rapid development to adult phases, enabling recolo-
nization during variable flow events (Lytle and Poff 2004).
Morphological adaptations, such as setose pads and dorso-
ventral flattening in mayfly genera (Heptageniidae) also
enable individuals to increase frictional resistance or avoid
turbulence all together during high discharge events in
runoff rivers (Merritt et al. 2008, Ditsche-Kuru et al. 2010).
In addition, some longer-lived runoff-river indicator spe-

Table 2. Linear correlations between measured environmental variables and invertebrate
community nonmetric multidimensional scaling (NMDS) ordination axes for runoff and
spring-fed rivers. FPOM = fine particulate organic matter, CPOM = coarse particulate
organic matter.

Environmental variable r NMDS axis p

NO3
– 0.77 Axis 1 0.001

PO4
3– 0.89 Axis 1 0.001

Suspended chlorophyll a 0.71 Axis 1 0.001

Benthic chlorophyll a 0.30 Axis 1 0.397

FPOM 0.49 Axis 1 0.030

CPOM 0.37 Axis 1 0.243

Median bed particle size (D50) −0.71 Axis 1 0.002

Mean monthly temperature −0.27 Axis 2 0.491

Stage (coefficient of variation) −0.47 Axis 1 0.036
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cies in our study, such as stoneflies of the genus Sweltsa,
exhibit behavioral adaptations to deal with periodic drying
or extreme low-flow events (Dieterich and Anderson 1995).

In contrast, the lack of flow disturbances and concomi-
tant population reductions in spring-fed rivers suggest that
species diversity and assemblage composition in these sys-
tems may be regulated by other mechanisms. Spring-fed
assemblages in our study were strongly correlated with
nutrients and food resources. Similar correlations between

spring-fed invertebrate assemblages and elevated food re-
sources have been reported from both Spain and New
Zealand (Barquín and Death 2004, 2006). Nutrient avail-
ability and productivity have also been shown to positively
affect invertebrate population growth rates and carrying
capacity in other stream ecosystems (Slavik et al. 2004,
Benstead et al. 2005).

Spring-fed rivers also exhibited relatively stable environ-
mental conditions (e.g., flow regime and temperature). En-

Table 3. Significant indicator species analysis values (IV ≥ 50) for spring-fed and
runoff river types.

River type Taxon IV p

Spring-fed Amiocentrus aspilus 100 0.000

Fluminicola 100 0.000

Juga 100 0.000

Isoperla 95 0.000

Oligochaeta 92 0.000

Baetis 90 0.000

Mucronothrus 89 0.000

Eukiefferiella devonica group 83 0.001

Sphaeriidae 83 0.002

Drunella 81 0.010

Isopoda 78 0.000

Zapada 77 0.020

Gammaridae 75 0.003

Heterlimnius 74 0.001

Micropsectra 73 0.010

Glossiphoniidae 67 0.001

Glossosoma 64 0.020

Pseudocloeon 58 0.006

Tricorythodes 58 0.005

Manayunkia 50 0.010

Nanocladius parvulus group 50 0.020

Physa 50 0.010

Vorticifex 50 0.010

Runoff Tanytarsus 83 0.000

Sweltsa 82 0.001

Polypedilum aviceps group 76 0.001

Torrenticola 74 0.001

Microtendipes rydalensis group 73 0.001

Bezzia 64 0.008

Sperchon 64 0.010

Ampumixis 57 0.010

Ameletus 56 0.010

Parametriocnemus 56 0.020

Rhithrogena 55 0.020

Hexatoma 50 0.010

Perlinodes 50 0.010

Zaitzevia 50 0.010
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vironmental stability coupled with elevated nutrient con-
centrations and food resources in spring-fed rivers proba-
bly promoted the observed high densities of invertebrates.
This situation suggests that as space becomes a limiting
factor on invertebrate production, density-dependent inter-
actions, such as competition, may play an increasingly im-
portant role in determining community composition. Resh
et al. (1988) noted that spring-fed rivers may represent
equilibrium conditions because of their inherent stability
and suggested that biotic interactions, such as competi-
tion, may structure those invertebrate communities (also
see Minshall et al. 1985). Ultimately, a relatively small num-
ber of taxa, including snails and caddisflies in our study,
seem to be able to take full advantage of the benign flow
conditions and elevated resources available in spring-fed
rivers. These taxa have strong competitive traits that facili-
tate their dominance and, thus, may reduce overall taxo-
nomic diversity in spring-fed rivers.

Two gastropod taxa, Juga and Fluminicola, were found
exclusively in spring-fed rivers and were numerically dom-
inant at those sites. For example, these 2 genera accounted
for up to ¼ of all invertebrates sampled on the Fall River in
winter. Hawkins and Furnish (1987) showed in a manip-
ulative experiment that Juga depressed abundances of co-
occurring invertebrate competitors through exploitative and
interference competition. Others have shown that gastro-
pods, through competitive interactions, can strongly affect
resource levels and negatively affect density and diversity of
competitor species (Hawkins and Furnish 1987, Hill 1992,
Rosemond et al. 1993). In studies from Spain and New
Zealand, gastropods (Hydrobiidae, Neritidae) were among
the most abundant taxa in spring-fed streams (Barquín and
Death 2004, 2006). Herbst et al. (2008) found that water
chemistry associated with spring-fed rivers was conducive to
gastropod growth and fitness, which could provide a founda-
tion for competitive dominance. Barquín and Death (2006)
also noted that amphipods (Gammaridae), another strong
competitor (Nilsson and Otto 1977), were indicative of
spring-fed streams in Spain, similar to our results from
spring-fed rivers in northern California. Together, these ob-
servations suggest that interspecific competition may play a
prominent role in structuring communities in spring-fed
systems.

Implications for climate change and conservation
of coldwater ecosystems

Regional climate change predictions indicate that run-
off rivers in the western USA will experience earlier peak
flow periods, prolonged periods of summer/autumn low
flow, higher magnitude winter floods, and increases in wa-
ter temperature (Stewart et al. 2004, 2005, Bryant 2009,
Das et al. 2011). These changes may not bode well for
lotic ectotherms. Climate change and associated shifts in
abiotic conditions may greatly reduce invertebrate densi-

ties, increase rates of extinction of rare species, change the
timing of metamorphosis and emergence, affect growth
rates, and alter sex ratios of aquatic species (Hogg and
Williams 1996, Harper and Peckarsky 2006, Durance and
Ormerod 2007). Spring-fed rivers may be particularly re-
silient to climate-induced effects associated with water
temperature and discharge variability and may be uniquely
positioned as critical habitat refuges for invertebrates and
other coldwater ectotherms, such as salmonids.

Spring-fed systems in our study have less flow and
temperature variability throughout the year and are colder
during summer and warmer during winter than adjacent
runoff streams (Figs 3, S2). Small spring-fed streams in
Oregon (USA) are capable of buffering stream water tem-
perature when compared with runoff streams (Tague et al.
2007). Spring-fed streams also are less prone to experience
extreme low-flow conditions in response to climate change
(Tague and Grant 2009). Moreover, spring-fed rivers in our
study supported greater basal C resources (suspended chl
a, FPOM) and invertebrate densities than runoff rivers.
The potential role of food resources in mediating the nega-
tive effects of climate change on ectotherms is understudied
(Wipfli and Baxter 2010). Increased metabolic activity as-
sociated with warming stream temperatures suggests that
growth of coldwater biota (invertebrates and higher-order
consumers, such as insectivorous fishes) will slow unless
they can compensate with increased resource consumption
(Railsback and Rose 1999). Increased consumption may not
be possible in runoff rivers because of their oligotrophic
nature, but stream invertebrates and fishes in spring-fed
rivers may be able to compensate for small increases in wa-
ter temperature if provided greater abundance of food re-
sources (Nicieza and Metcalfe 1997). Many spring-fed riv-
ers are already dammed or diverted, but their potential
role as climate refuges for coldwater taxa strongly suggests
they should be given high priority in conservation planning
efforts.
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