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Professor Shaily Mahendra, Chair 

 

Increasing applications of metal-containing nanoparticles (NPs), the largest class of 

consumer nanomaterials, has heightened the need evaluate their potential environmental 

ramifications. Of these, copper- and zinc-containing nanoparticles (Cu-NP and Zn-NP) are 

important due to their widespread use, low cost, and biological relevance of their respective 

metals. As microorganisms are at the foundation of all food webs and define available nutrients 

for ecological niches, understanding their interactions with metal-containing NPs is essential for 

addressing their inevitable release into the environment. Few studies, however, examine the 

impact of biological variables on the microbial response to metal-containing NPs.  To address 

these gaps, high-throughput screening methods, which examine multiple conditions 

simultaneously, were combined with traditional toxicity diagnostics, which examine specific 

parameters in depth, to effectively explore NP-microbe interactions. Previous studies have also 

neglected to examine how NP sensitivity changes with exposure time. To this end, Zn-NP 

toxicity was assessed using a time-resolved high-throughput screening methodology in an 
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arrayed Escherichia coli genome-wide knockout (KO) library to determine changes in sensitivity 

with time. Through sequential screening, this method identified sensitive clones from diverse 

biological pathways, which fell into two general groups: early and late responders. These results 

suggested bacterial toxicity mechanisms changed from pathways related to general metabolic 

function, transport, signaling, and metal ion homeostasis to membrane synthesis pathways and 

reflected different growth stages in E. coli. To ensure that the responses to NP exposures 

observed for the model laboratory strain, E. coli, translated to environmentally relevant 

microbes, nitrogen cycling microorganisms were studied further because of their role as primary 

drivers of biogeochemical nitrogen transformations. Previous assessments of NP interactions 

have ignored biofilms, the primary mode of growth for environmental microorganisms. Impacts 

of Cu-NP exposure to biofilms were compared to respective planktonic cultures of the 

ammonium oxidizing Nitrosomonas europaea, nitrogen-fixing Azotobacter vinelandii, and 

denitrifying Paracoccus denitrificans using a suite of independent toxicity diagnostics. When 

compared to unexposed controls, growth parameters in N. europaea and P. denitrificans biofilms 

were more resilient to inhibition than planktonic cultures. Likewise, physiological evaluation of 

ammonium oxidation and nitrate reduction and respective functional gene expression showed 

that biofilms were also less impacted by Cu-NPs than their respective planktonic cells. These 

results suggest biofilms reduced NP inhibition, and that nitrogen cycling bacteria in wastewater, 

wetlands, and soils are more resilient to NPs than planktonic-based assessments might 

suggest. To build upon trends observed for pure cultures, changes in nitrogen cycling 

microorganisms in wetland-derived microcosms following acute and chronic Cu-NP exposure 

were characterized using the functional microarray Geochip platform. Although shifts to nitrogen 

transformation activity occurred after acute exposure, significant changes to microbial ecology 
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only occurred after long-term exposure. Among genes coding for various nitrogen cycling 

enzymes, anammox and nitrogen fixation genes decreased to the largest extent, while those for 

denitrification were least sensitive to changes. This study implies that sudden NP influxes into 

wetlands may impair nitrogen cycling initially, but chronic exposure may result in microbial 

changes, which promote net nitrogen fluxes out of the system. Taken together, these results 

highlight a methodological framework for using high-throughput and traditional assays in 

tandem to explore biological factors in NP-microbial assessments. Furthermore, the data suggest 

that biological factors significantly shape microbial sensitivity to NPs and must be 

considered while assessing environmental impacts of NP releases as a result of manufacturing, 

use, and disposal of nano-enabled products and applications.  
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CHAPTER 1 

BACKGROUND AND OBJECTIVES 
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1.1. Introduction   

 The rapidly increasing implementation of nano-enabled products has created a 

pressing need to thoroughly evaluate the ramifications of their release into the 

environment. It is estimated that advanced manufacturing techniques fostering 

nanomaterial growth will result in the production of nearly 58,000 tons of nanomaterials 

by 2020 [1]. Metal-containing nanoparticles (NPs), the largest class of consumer 

nanomaterials, are employed for diverse applications such as cosmetics, textiles, 

electronics, and medical equipment [2].  Of these, copper- and zinc-containing 

nanoparticles (Cu-NPs and Zn-NPs) are important for investigation because of their high 

frequency of use, lower cost compared to alternatives, and respective metals serve as 

essential micronutrients [3,4]. At such high levels of production, research suggests that 

NPs may enter the environment unintentionally at the points of production, use, and 

disposal [5]. Once in the environment, metal-containing NPs can interact with 

environmental microorganisms and have unforeseen consequences as these conditions 

have not been completely characterized. Therefore, understanding the interactions of 

metal-containing NPs with microorganisms is vital for the implementation of safe and 

sustainable nano-applications because microorganisms define the available nutrients for 

ecological niches and are the foundation of all food webs.  

While early research examined the toxicity of metal-containing NPs towards 

various microorganisms, these studies occurred primarily under artificial non-

representative exposure conditions without reference to their natural environments [6]. 

Initial attempts to emulate environmental exposure conditions for metal-containing NP 

interactions primarily focused on NP properties and water chemistry factors like media 
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composition, pH, and particle dissolution [7-9]. These toxicity assessments, however, still 

conspicuously bypass the dynamic influence of microbial biology and growth 

characteristics on microbial interactions with metal-containing NPs.  

In regards to microbial biology, previous studies have neglected changes in 

exposure across time and different modes of growth at the microorganism level.  Firstly, 

microbial growth dynamically changes with time in response to the introduction of new 

conditions, levels of utilized nutrients, and number of cells [4,10].  As result, changing 

exposure time influences the response of microorganisms to foreign substances. For 

example, research with the bacterium Pseudomonas aeruginosa exposed to cobalt metal 

salts showed a 50% increase to the minimum bactericidal concentration (MBC) after 25 

hours compared to an early assessment at 2 hours [11]. Secondly, many previous NP 

assessments test metal-containing NPs under planktonic cultures, but in the environment 

microorganisms grow as part of biofilms, which can affect their sensitivity to xenobiotic 

substances.  In biofilms, the cells grow attached to surfaces, excrete protective 

extracellular polymeric substances (EPS), and exchange nutrients while mixed 

communities allow for genetic exchange and symbiotic relationships [12]. Previous 

research demonstrated that E. coli cells grown in biofilms were 4 times more resistant to 

Ag-NPs than planktonically grown cells [13]. Addressing these factors are the first steps 

towards properly characterizing metal-containing NP impacts to microorganisms relative 

to the influence of microbial biology.  

 However, to completely address the microbial growth characteristics, NP-

microbial interactions must be examined in representative microorganisms fulfilling a 

particular environmental niche rather than reflecting model laboratory bacteria. Of 
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particular importance is microbial nitrogen cycling, as microorganisms are the primary 

drivers of nitrogen transformation in the environment and inhibition by metal-containing 

NP could dramatically shape nitrogen speciation. For example, globally biological 

denitrification in marine and fresh waters is responsible for cycling nearly 189 Tg N/yr, 

while marine N2 fixation accounts for nearly 156 Tg N/yr [14]. Furthermore, the National 

Academy of Engineering named managing the nitrogen cycle as one of the grand 

engineering challenges of the 21st century highlighting the need to properly characterize 

NP interactions with N-cycling microbes [15].  Obstruction of nitrogen cycling activity 

by metal-containing NPs could have substantial implication on agriculture, wastewater 

treatment, N2O generation, and eutrophication. For example, suppression of biological 

denitrification and nitrification would cause significant build up of ammonia in wetland 

soils as respective rates have been estimated to be as high as 56.1 and 21.6 mg N kg-1 h-1 

[16]. It is therefore important to determine which branches of the nitrogen cycle are most 

sensitive to metal-containing NPs. It is important to examine NP interactions both in 

specific strains individually and collectively in mixed communities.  Overall, NP 

assessments must take into account the biological factors at both the organism and 

ecological level to accurately assess nano-bio interactions. 

1.2. Hypothesis and Objectives  

As has been highlighted, multiple gaps exist which must be addressed to 

adequately characterize microbial interactions with NPs. As metal-containing NP 

production increases exponentially, novel high-throughput screening methods, which can 

examine multiple conditions, must be combined with traditional diagnostics that examine 

specific conditions in depth, to rapidly and effectively explore nano-bio interactions [17]. 
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The aim of this research was to examine the overarching hypothesis that microbial 

growth characteristics affect the interactions of microorganisms with metal-containing 

NPs and these interactions shape microbial population and diversity across time.    

The specific objectives of this study were to: 

• Develop a genome-wide high-throughput screening method to examine the time 

dependent sensitivity of the model bacterium Escherichia coli to Zn-NPs.  

• Examine how the sensitivity of model nitrogen cycling bacteria to Cu-NPs differs 

between planktonic or biofilm growth of the same microorganism.  

• Determine the sensitivities of nitrogen cycling microorganisms to Cu-NPs in 

wetland-derived microcosms after acute and chronic exposure.  

1.3. Dissertation Overview   

This dissertation is organized into 6 chapters.  The background, goals, and 

objectives of this research are outlined in Chapter 1. Examination of previous research, 

the current understanding of nanoparticle interactions with microorganisms, and 

approaches for measuring physiological and genetic impacts to microorganisms were 

conducted in Chapter 2.  Chapter 3 describes the development and implementation of a 

high-throughput screening method utilizing an E. coli genome-wide knockout library to 

examine time dependent toxicity paradigms of Zn-NPs. Next, the influence of biofilm 

growth on the sensitivities of model nitrogen cycling bacteria to Cu-NPs was examined in 

Chapter 4. Chapter 5 explores the acute and long-term impacts of Cu-NPs on the 

microbial ecology of wetland derived microcosms using the Geochip microarray 
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platform.  Lastly, Chapter 6 summarizes the key findings and suggests logical future 

direction of this research. 
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CHAPTER 2 

LITERATURE REVIEW 
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2.1. The Rise of Nano: Big Advances in Small Technology  

Recent advancements in design and manufacturing of highly consistent and 

specifically tailored particles have led to an unprecedented surge in nanomaterial 

production and application.  In the United States alone, the National Nanotechnology 

Initiative estimates that from 2005 to 2011 nearly $10 billion was spent on 

nanotechnology research and implementation [18]. Due to their expanded industrial and 

commercial use, projections suggest that approximately 58,000 tons of nanomaterials will 

be produced by 2020 [1]. Furthermore, it is expected that nanomaterial production will 

become a $1 trillion dollar industry by 2015 [19]. While there are diverse classes of 

nanomaterials ranging from carbon nanotubes to quantum dots, metal-containing 

nanoparticles (NPs) remain the most widely used class of consumer nanomaterials [20]. 

Metal-containing NPs are used in diverse applications such as cosmetics, textiles, 

electronics, and medical equipment [2]. Specific applications range from zero-valent 

copper NPs in osteoporosis drugs to magnetic iron oxide NP decorated silica colloids for 

water remediation [21,22]. Although NPs have the potential to greatly improve all sectors 

of modern life, examining the potential environmental ramifications of their release will 

help to mitigate their unintended problems.   

From enduring the legacy of the chemical revolution, clear evidence shows that 

today’s wonder product can unintentionally become tomorrow’s emerging contaminant. 

There were many products in which their unique properties were a boon for their specific 

application, but had negative outcomes resulting from their interactions with the 

environment. Chlorofluorocarbons were excellent refrigerants and propellants with low 
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reactivity and toxicity, however, once they reached the upper atmosphere they 

contributed to ozone depletion [23]. Researchers, manufacturers, consumers, and 

regulators, therefore, must ensure that NPs do not continue down this same pathway by 

properly characterizing the potential toxic impacts of metal-containing NPs to 

environmental. This knowledge will enable proper use, regulation, and management to 

resolve foreseeable negative outcomes related to NP release.  

2.2. Current Regulations  

As it stands, there have been few regulations to ensure safe and sustainable use of 

metal-containing NPs.  Currently in the US, the environmental protection agency (EPA) 

is still assessing the impact of NPs, and initial drafts suggest NPs will likely be regarded 

as “chemical substances” under the toxic substance control act (TSCA) [24]. Under this 

framework, manufacturers would need to provide premature notification of NP 

production and submit a significant new use notice (SNUN) for nano-enabled products, 

which outline any potential hazards. Likewise, the Food and Drug Administration (FDA) 

only has draft guidelines for regulating NPs in food and cosmetics [25,26]. These 

legislations would regulate NPs at the point of use. For food, the FDA may require 

producers of nano-enabled foods to indicate if NPs significantly change the identity of 

the food or change their safety, while for cosmetics, nano-enabled personal care products 

and cosmetics must remain safe under current regulation. Again, it is important to note 

that all these reports are only in the draft phase and the time of their ultimate 

implementation is debatable. Furthermore, the inability to move these regulations past the 

draft phases can be partly attributed to the current gaps in the understanding of the 

activity of NPs entering the environment.  
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Although NPs are not regulated, there are current environmental regulations for 

their corresponding bulk forms. The US EPA has Aquatic Life Criteria Water Standards 

for fresh water of 2.23 (acute) and 1.45 µg/L (chronic) for copper and 120 µg/L (acute 

and chronic) for zinc, based on the biotic ligand model [27].  Because the properties of 

nanoscale and bulk metals are not completely congruent, it is unclear if the regulations 

for bulk metals effectively protect the environment from their nanoscale counterparts. In 

any case, to efficiently develop these regulations, scientists must adequately evaluate the 

potential ramifications of their implementation and use. Understanding NPs unique 

properties, modes of action, and interactions with living cells will enable proper use and 

regulation.    

2.3. Defining Nanoscale: Because Size Matters 

Understanding nanoscale properties better informs how these products may 

impact the environment and interact with living cells. Nanoscale is specified as any 

material that is 1 to 100 nm in any one dimension [6].  To put this in perspective, the ratio 

of a NP to a tennis ball is the same ratio as a tennis ball to the moon [2].  Although 

various natural materials are nanoscale, only recently were manufactures able to reliably 

produce engineered nanomaterials at this scale [28]. For the first time, materials can be 

produced at the size of individual atoms and molecules. NPs have unique chemical, 

electrical, and mechanical properties that result because their size makes them distinct 

from their bulk macroscopic counterparts.   

Firstly due to their small size, NPs have greater surface to volume ratios, which 

allows for greater surface area and surface interaction. A 30 nm particle only exposes 
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10% of its molecules to the surface, while a 3 to 10 nm particle has up to 50% of its 

molecules exposed [19]. In previous studies, decreases to size and corresponding 

increases to surface area resulted in increased reactivity. For example, 10 nm zero-valent 

Cu-NPs used in the degradation of the pollutant carbon tetrachloride was 110 -120 times 

more effective than equivalent concentrations of larger sized (>100 nm) copper particles 

[29]. Furthermore, in this study reactivity declined dramatically with size, as 50 nm 

particles were only 14 times more effective than bulk powders.  This increased reactivity 

make NPs an attractive, cost effective, and sustainable solution for using less material for 

a specific application without sacrificing efficiency. 

In addition, NPs also differ from larger materials because at the nanoscale 

materials begin to operate by quantum mechanical laws. Researchers first showed that 

fullerene (C60) exhibited quantum superposition by demonstrating de Broglie wave 

interference using diffraction at material absorption grating [30]. When NPs operate 

under quantum mechanics, rather than as a collection of atoms and molecules, NPs 

display the characteristics of individual atoms.  This allows NPs to exhibit completely 

unique properties that were not present in their macroscopic counterparts. For example, 

gold is generally considered to be an inert compound, however, gold nanoparticles (Au-

NPs) attached to metal oxides and activated carbon supports have been applied as a 

metallic catalyst [31].  

2.4. Model Metal-containing Nanoparticles: Zinc and Copper Nanoparticles   

 Metal-containing NPs comprise the largest class of consumer nanomaterials and 

therefore the most likely to be released into the environment [20]. Of the 6 most utilized 
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consumer nanomaterials recorded, four were metal-containing NPs. Although metal-

containing NPs comprise a wide range of different NPs, for the purposes of this review, 

zinc and copper containing NPs (Zn-NPs and Cu-NPs, respectively) remain the focus. 

Zn-NPs and Cu-NPs have been used in a wide range of different applications such as 

antimicrobial coatings, electronic applications, and personal care products [3]. Unlike 

other metals like silver (Ag) and titanium (Ti), zinc and copper are biologically relevant 

because of their role as co-factors in key metabolic enzymes [32]. As a result, cells have 

metal homeostasis enzymes specifically suited for regulation of these metals. Their 

reactivity often differs from nonessential metals and has produced interesting and useful 

interactions with biological molecules [33].  These properties make Zn-NPs and Cu-NPs 

particularly relevant for exploration as nanomaterials with fascinating and novel impacts 

to environmental waters and soils.  

2.4.1 Zinc Nanoparticle (Zn-NP) Uses and Applications 

Zinc is a group 12 metal in the periodic table and its most common oxidation state 

is 2+. Zn-NPs include zero-valent zinc and zinc oxide NPs.  Zn-NPs are the fifth most 

commonly used consumer NP [20]. Furthermore, ZnO-NPs were characterized by the 

Organization for Economic Cooperation and Development (OECD) as a NP class of high 

concern because of its inherent properties, wide-spread use, and commercial importance 

[34]. Specifically, it is estimated that the worldwide production of ZnO-NPs ranges from 

between 550 to 33,400 tons [35].  While NPs are difficult to quantify in the environment, 

European water models projected that concentrations were 10 ng/L, 400 ng/L, and 3 

ng/g/yr for surface waters, sewage treatment plant effluent, and sediment loading, 

respectively [36].  
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Zn-NPs have been applied in an assortment of products including sunscreens, 

cosmetics, paints, plastics, and tires because of its many useful chemical, electrical, 

antimicrobial, and catalytic properties [34]. Zn-NPs, which are commonly employed as 

antimicrobial agents, were used in food cans linings because their size allowed for better 

microbial interaction and antibacterial activity [37]. Recently, small amounts of Zn-NPs 

were applied in dental resins to prevent the formation of secondary cavities in teeth [38]. 

Zinc oxide is an important ultra violet light blocker in sunscreens, however, using Zn-

NPs is preferable because it does not have the natural opaqueness of its macro sized 

counterparts [39]. Additionally, because zinc is an n-type semiconductor with a large 

energy band gap, Zn-NPs have gained popularity for various electronics such as light 

emitting diodes, ultraviolet lasers, catalysts, solar cells, and flat panel displays [40]. 

Ultimately, however, these unique and intriguing properties, which have driven Zn-NPs 

incorporation into products, also may lead to unforeseen interactions with cells in the 

environment.  

2.4.2 Copper Nanoparticle (Cu-NP) Uses and Applications  

Copper, like Ag and Au, is a group 11 element in the periodic table; therefore, it 

shares similar properties like high ductility and electrical conductivity. Copper, for 

example, only has 6% less conductivity than Ag [41]. Unlike Ag or Au, copper is much 

cheaper making it a more economical and attractive alternative. As of June 2014, copper 

was nearly 6 times cheaper than silver per lb according to the International California 

Mining Journal [42]. As Ag-NPs are the most used NPs, copper has the potential to 

substantially increase in application and market share [43]. Common copper-containing 

NPs include zero-valent copper, copper (I) oxide, copper (II) oxide, copper (I) chloride, 



	  
	  

14	  

copper (I) iodide and copper (I) sulfide. A wide range of nano-enabled applications use 

copper because of its electrical, chemical, and antimicrobial properties.   

These useful properties have propelled Cu-NPs use in many different products 

including anti-microbial coatings, steel alloys, lubricants, electronics, ceramics, and 

polymers [44]. Because of its conductivity, Cu-NPs have been employed in conductive 

inks with protective layers to prevent oxidation [41]. These inks are a common 

component of inkjet printers allowing for their characteristic rapid quality printing. To 

take advantage of their thermal conduction properties, Cu-NPs were recently explored as 

nanofluids, colloidal NPs dispersed in a liquid, for application in industrial heating and 

cooling devices [45].  Although, primarily applied for energy and catalysis applications, 

copper sulfide nanoparticles have recently been explored for biomedical applications. 

Specifically, CuS NPs have been used for the detection of different important 

biologically relevant molecules like DNA, glucose, food borne pathogens, and hydrogen 

peroxide [46]. These applications make use of copper’s electrochemical properties and 

the ability to exchange electrons with the biological molecules under investigation. The 

ability of Cu-NPs to interact with biological molecules highlights the need to characterize 

the interaction of Cu-NPs with cells in the environment to prevent the unintended 

consequences resulting from their release to natural waters and soils.      

2.5. Nanomaterial Routes of Exposure 

Metal-containing NP use shows no sign of abating which will likely result in a 

high flux of these materials entering the environment. To evaluate all potential pathways 

for entry into the environment, Life Cycle Analyses (LSA) have been employed to track 
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NPs from the point of manufacture, through use, and finally to disposal [5]. These are 

valuable for identifying the types and sources of exposure as well as understanding the 

form NPs may take upon entering the surrounding waters and soils.  At the point of 

manufacture, NPs have the highest potential for release because of the high volumes of 

product produced in one place [5]. Even more troubling, a recent study of NP 

manufacturing plants found that they did not uniformly address the potential release of 

NPs and had inadequate protocols in place to prevent the problem [47]. Of the 40 NP 

manufacturing companies examined in the study, 65% performed no risk assessment, 

while only 32.5% performed risk assessments “sometimes or always.” Ineffective 

engineering controls such as improper waste management or poor containment can result 

in the undesired release of manufactured NPs into the environment.   

Next although products are designed to be safe at the point of use, often release is 

unintentional because nano-enabled products are designed to work in specific 

applications under a certain set of constraints. Some situations associated with the 

product may not be planned for and as a result release NPs. For example, in a study with 

Ag-NPs embedded in textiles, as much as 45% of the Ag in the fabrics were released 

upon a single washing event [48]. Also, presently, the manufactures are not required to 

label nano-enabled products, so release from these products can go unaddressed [5]. This 

makes it difficult to fully characterize and quantify the amount of NP released in the 

environment resulting from consumer use. Greater awareness of this problem and 

advocacy to properly label products may help to better characterize NPs released at the 

point of use.    
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Lastly, the point of disposal is the final likely pathway where NPs may enter into 

the environment. Urban and industrial waste streams and runoff will drive NPs to 

wastewater treatment plants. Once in the waste treatment stream, some studies suggest 

that certain NPs can be removed through conventional treatment [49-51]. For example, in 

bench scale experiments on Cu-NPs exposed to activated sludge, 95% removal was 

achieved primarily through aggregation and settling [50]. Similarly, studies with ZnO-

NPs found that transformation of the ZnO-NPs, regardless of its coatings, mirrored the 

transformation of bulk ZnO and aggregated in the anaerobic sludge [51]. Because NPs 

have the tendency to adsorb to the biological material and collect in the biosolids, their 

accumulation may be problematic for biosludge used for land applications or incineration 

[49].  

In addition to those NPs entering through wastewater treatment plants, NPs may 

also enter the environment after disposal in landfills. Product weathering and damage 

may enable NP release and leaching to the soil.  Researchers examined the cadmium 

release from CdSe/ZnS Quantum dots following simulated chemical damage and found 

that acidic conditions were the primary cause of metal release [52]. Acidic conditions 

promoted the dissolution of the coatings and released the metal ions inside the quantum 

dots. Interestingly, while as much as 2.1 mg/g of cadmium of polymer could be measured 

after 30-day exposure, none remained at nanoscale. These results highlight the need to 

examine NP impacts not as freshly synthesized NPs, but under realistic exposure 

conditions. These changes upon entering into the environment may alter the NPs’ 

interactions with cells.  
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2.6. Potential Toxicity Mechanisms 

Once in the environment, metal-containing NPs could have potential hazardous 

side effects through unintended toxicity to non-target organisms [44]. Metal-containing 

NPs have been observed to be substantially toxic to organisms at every trophic level 

including human cells [53], mammalian cells [4], fish [54],  plants[55], invertebrates 

[56], yeast [57], algae [58],  and bacteria [59,60]. Despite the wide range of toxicity 

caused by NPs, examining toxicity mechanisms towards microorganisms are essential in 

assessing environmental outcomes of metal-NP release. Microorganisms, like algae and 

bacteria, serve as simple models for toxicity to more complex organisms, act as 

cornerstone species for multiple environments, drive chemical transformations, and 

define nutrient bioavailability [2,28]. Furthermore, microorganisms are among the most 

sensitive and the first indicators of degradation to overall environmental health [61]. 

Systematically evaluating the interactions of NPs with microorganisms serves to identify 

and characterize which environmental niches are sensitive and vulnerable to inhibition. 

Different toxicity mechanisms against microorganisms have been proposed for 

metal-containing NPs such as reactive oxygen species generation, direct oxidation of 

proteins, damage to DNA, disruption of the cell membrane, or loss of mitochondrial 

function [19,61]. Many studies suggest that these toxic outcomes result primarily from 

the release of toxic ions [7,62].  This is supported by studies which found that metals in 

both bulk and nano form elicited similar toxicity mechanisms [2,59]. Furthermore, 

various studies have found that dissolved ions have defined the toxicity for cells exposed 

to metal-containing NPs.  Heinlaan and co-workers showed that metal-containing NP 

toxicity resulted from dissolved ions through the use of recombinant metal sensing 
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bioluminescent bacteria that only reacted to free metal ions [63]. After exposure to both 

ZnO-NPs and bulk sized particles, the bacteria exhibited similar bioluminescence values 

regardless of the source.  Additionally, in studies with E. coli exposed to ZnO-NPs, 

researchers found that when metal chelators were introduced into the exposure media, the 

toxicity was substantially minimized as free ions were bound and unable to interact with 

cells [7].  

Once liberated from metal-containing NPs, metal ions can cause cellular damage 

directly or indirectly through ROS. Directly metal ions can inflict damage to proteins and 

membranes. Copper ions have an affinity for the thiol and amino groups in proteins and 

can bind indiscriminately to proteins causing structural damage [64]. Alternatively, 

metal-containing NPs through released metal ions may also cause toxicity indirectly 

through the generation of reactive oxygen species (ROS). For example, copper can redox-

cycle between Cu (I)/Cu (II) through Fenton-linked chemistry [65]. As a result of this 

redox-cycle, oxygen can be reduced and electrons bind to one of the lone pone pair 

valence electrons, causing a series of unstable and highly reactive radicals to form. These 

ROS include super oxide, peroxide, hydrogen peroxide, hydroxyl radical, and hydroxyl 

ion. At low concentrations, ROS are not problematic for cells, which have enzymes to 

neutralize them as it is generated as part of normal metabolism [66]. However, once this 

antioxidant capacity is exceeded, high concentrations that may result from metal-

containing NPs can result in oxidative stress.  

In studies linking metal-containing NP toxicity to ROS generation and oxidative 

stress, exposed cells displayed lipid peroxidation, cell membrane disruption, and DNA 

damage [67,68]. Xie and co-workers found that after 30 min of exposure to ZnO-NPs the 
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bacterium Campylobacter jejuni showed nearly double the expression of two genes, katA 

and ahpC, which encode enzymes that combat oxidative stress through hydrogen 

peroxide decomposition [37]. Similarly, Saison and co-workers showed that core-shell 

CuO-polystyrene NPs caused ROS damage in the unicellular algae Chlamydomonas 

reinhardtii causing inhibition to photosynthesis and interruption of related electron 

transport [69]. In follow up experiments, the researchers removed the core-shell CuO-

NPs, and no ROS generation was observed which strongly implicated the CuO coating in 

ROS generation. In other studies with Ag-NP exposed nitrifying bacteria, Ag-NP 

inhibition was strongly correlated to intracellular ROS concentrations [70].  

The ability of metal-containing NPs to generate ROS and cause oxidative stress, 

however, varies and may be related to specific exposure conditions. Firstly as expected, 

aerobic conditions must exist at exposure which allow for the generation of ROS radicals. 

In research with E. coli exposed to Ag-NPs, no ROS mediated toxicity was observed 

under anaerobic conditions, as the absence of oxygen inhibited the oxidation of Ag(0) 

and the release of metal ions [71]. Furthermore, other conditions have been show to 

preclude ROS generation. In experiments with nitrifying bacteria exposed to TiO2-NPs, 

researchers found that ROS was only generated in the presence of UV light [67]. This 

study concluded that ROS was not a good indicator of NP toxicity. Furthermore, these 

results highlight the importance of exposure conditions in shaping the toxicity of metal-

containing NPs.  

While direct or indirect ROS mediated toxicity from released metal ions 

contributes to toxicity, these mechanisms are not intrinsically unique to metal-containing 

NPs. Metal ions are released from both macro and nanoscale metals. It is unclear if 
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toxicity of metal-containing NPs results from dissolved ions alone or unique nanoscale 

effects. Various studies have shown that NP toxicity is not completely dependent on 

dissolved ions and question the validity of conclusions which suggest that toxicity is 

primarily the result of ions. In survival tests with E. coli exposed to both ZnO-NPs and 

ionic zinc, researchers observed 100 % mortality with ZnO-NPs and < 20% mortality 

with cells after equivalent concentrations of Zn2+ alone [72] . Similarly, Baek and co-

workers showed that when the model bacteria, E. coli, B. subtilis, and S. aureus were 

exposed only to the concentrations of the ions measured at toxic levels of CuO-NPs and 

ZnO-NPs, no toxicity was observed [73]. These results suggest that ions alone cannot 

explain the toxicity observed from metal-containing NPs and other toxicity mechanisms 

must be examined to define NP interactions.  

Of the other mechanisms which have been proposed for NP toxicity, researchers 

have found that particles physically interacting with cells is a likely candidate for causing 

toxicity. In research with E. coli exposed to ZnO-NPs, Padmavathy and co-workers 

proposed that in addition to oxidative stress, increased surface abrasiveness caused 

toxicity [74].  Photoluminescence spectrum analysis showed ZnO-NPs had more surface 

imperfections than comparable microscopic particles, which was linked to increased 

mechanical stress.  In similar studies, transmission electron microscopy showed ZnO-NPs 

and other metal NPs attached to E. coli and other bacterial cells and caused toxicity [72]. 

Toxicity manifested through interactions with the bacterial surface and resulted in 

structural damage. Van der Waals forces, electrostatic, hydrophobic, and receptor-ligand 

interactions were proposed as the primary cause of bacterial adhesion. 
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 In addition to mechanical stress, research suggests that metal-containing NPs can 

cause toxicity through a unique Trojan-Horse mechanism in which NPs enter into the cell 

then release metal ions within the interior [75]. Evidence for this mechanism originated in 

human cells. Limbach et al showed that the internalization of metal nanoparticles in 

human epithelial cells resulted in the rise of internal ROS concentrations [76]. Although, 

it was unclear if this mechanism also occurred for microorganisms, recent evidence has 

shown that similar pathways may occur. Gunawan and co-workers found that 

morphological changes in E. coli exposed to ZnO-NPs resulted from the internalization 

of undissolved ZnO solids [77]. This mechanism may be particularly toxic for cells as 

NPs may remain inside cells and continuously cause toxicity at sub-lethal concentrations 

[76]. Furthermore, this may cause bioaccumulation in organisms at higher trophic levels 

because microorganism may survive but continuously carry metal-containing NPs.   

Finally size appears to be an important factor for defining both physical and ion-

mediated toxicity. Reduced particle size produces increased surface area which allows for 

an increased ability to physically interact with cells and to release toxic ions [4]. For 

example, research found that the toxicity of Ag-NPs to wastewater derived nitrifying 

bacteria only resulted from Ag-NPs that were 5 nm in size or below [70]. Similarly, after 

exposed to silica dioxide nanoparticles (SiO2-NPs), the algae Chlorella kessleri showed 

significantly more cell coagulation and inhibition of cell division from 5 nm particles 

than compared to equivalent concentrations of 78 nm particles [78]. Therefore, changes 

to size which occur after NP production could dramatically alter the reactivity of NPs.  
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2.7. Do NPs Pose a Risk to Microorganisms in the Environment? 

 Due to the sheer volume of use and application, metal-containing NPs will likely 

enter and accumulate in the environment which may pose a substantial risk to 

environmentally significant microorganisms [31]. Risk is a factor of both hazard and 

exposure. Therefore, for metal-containing NPs to be a risk to microorganisms, the 

microorganisms must exposed to NPs and the NPs must be toxic to the microorganisms at 

the time of exposure [2]. Clearly, microorganisms will be exposed to NPs, but it is 

unclear if these materials will remain hazardous in the environment.  To understand their 

potential implications to microorganisms and environmental ramifications, NPs must be 

exposed under representative conditions to determine their corresponding toxicity. Many 

initial toxicity studies model microbial and NP interactions under unrealistic laboratory 

conditions, which make extrapolation to the environment difficult. Recent studies under 

exposure conditions characteristic of realistic environments, however, imply toxicity can 

be significantly altered because of exposure conditions.   

2.7.1. Chemical Changes to NPs affect Cellular Response 

A multitude of environmental factors such as ionic strength, pH, and media 

composition have been shown to alter metal-containing NPs’ physical characteristics and 

resulting reactivity [6]. These physical factors can determine the ability of the NPs to 

remain nano-sized, dissolved, or release ions and change the reactivity and toxicity of the 

particle. It is important to understand how these characteristics shape toxicity to 

understand when NPs maybe problematic in the environment.    
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Aggregation and the resulting stability of NPs are determined by the net attractive 

and repulsive forces in the exposure medium and different variables have been shown to 

affect these phenomena [79]. The stability of particles in the media affects if NPs remain 

dissolved in the media and can interact with cells.  Changes to pH, ionic strength, and 

cationic composition of the media have all been linked to changing particle aggregation 

within the media [80]. One study, for example, showed that adding NaCl increased the 

ionic strength of the exposure medium which lowered the stability of dissolved ZnO-NPs 

[81]. Specifically, the addition of 0.04 M NaCl shifted the measured zeta potential of 

ZnO-NP from -35 mV to -15 mV. As zeta potentials further from zero indicate more 

stable particles, these data showed increasing ionic strength made the particles more 

susceptible to electrostatic forces causing aggregation and sedimentation. However, 

because aggregation is very complex, some media components also have been shown to 

decrease aggregation. Although NaCl can cause aggregation of Au-NPs, research has 

shown the addition of proteins have counteracted the effects of increasing ionic strength 

[82]. This study proposed that proteins stabilized surface interactions of Au-NPs in the 

presence of NaCl preventing the actions of aggregation by electrostatic forces.  Similarly 

another study found the presence of the Suwannee River humic acid (SRHA), model 

natural organic matter, also stabilized TiO2-NPs and prevented aggregation through the 

same mechanism [83].  The ability of proteins and natural organic to stabilize charged 

molecules stems from their characteristics as larger charged molecules.  

pH, which defines  acid/base dissociation states of molecules in solutions, has also 

been important for controlling the activity and stability of NPs [6]. In one study, pH 

substantially altered the dissolution of CuO-NPs of biologically and environmentally 
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relevant solutions that included acetate, phosphate buffered saline (PBS), and borate 

buffered media [84]. In this study, after equal added concentrations of CuO-NPs, nearly 

70 mg/L of Cu2+ ions dissolved at pH 4, <10 mg/L of Cu2+ ions dissolved at pH 6, and no 

Cu2+ ions dissolved at pH 7.4 for the media tested. Similarly in other another study, 

regression modeling showed that Cu-NP toxicity to E. coli increased with decreasing pH 

[8] . In this study, increasing pH reduced particle dissolution leading to increased 

aggregation, which decreased the faction of nano-sized particles.    

Furthermore, research showed that various counter ions in the exposure media can 

bind to the surface of metal-containing NPs and impact the resultant toxicity. In studies 

with ZnO-NPs and phosphate, a common component of growth media, researchers found 

that at low concentrations phosphate substantially lowered the rate of Zn2+ dissolution 

[9]. This occurred because zinc phosphate layers formed on the surface of particles, 

which prevented the release of ions.  A study using electron microscopy revealed that 

ZnO-NPs transformed from uniform spheres to amorphous ZnO and zinc phosphate 

structures. Likewise, in studies with CuO-NPs, the presence of sulfur converted CuO-NPs 

to CuS, which reduced toxicity because CuS released less free ions [84].  Interestingly, 

however, binding to counter ions has not always reduced the dissolution of metal ions 

from metal-containing NPs because equilibrium is always re-established. Li and co-

workers found that ZnO-NP bound to citrate actually increased the dissolution rate of 

ions [79]. This occurred because unlike phosphate complexes (ZnHPO4), when bound 

with citrate, ZnO-NPs still remained charged and could release ions. Similarly, other 

studies found that fetal bovine serum (FBS) and glutamine also enhanced the dissolution 
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of copper ions from CuO-NPs [84].  It was proposed that increased dilution resulted from 

the formation of surface ligands that kinetically increased ion detachment. 

In addition to binding to the particles and changing ion release, various organic 

compounds and counter ions have been shown to not only bind to NPs but also to the 

released ions.  Li and co-workers found that model natural organic matter such as fulvic, 

humic, and alginic acid bound free zinc released from ZnO-NPs [7] . Specifically in this 

study, dissolved ions were reduced 4-fold with the addition of 10 mg/L of tannic acid. As 

a result, ZnO-NP toxicity was substantially reduced for the model bacteria E. coli and P. 

putida. Similarly, in more complex bench scale wastewater reactors, the toxicity of Ag-

NPs to wastewater derived nitrifying bacteria were significantly reduced from silver ions 

binding with phosphorous and sulfur anions [70].  In the absence of any anions, 10 µM of 

Ag-NP caused 85.7 ± 3.2 % inhibition relative to the control, but at the same 

concentration the most significant anion, sulfide, only resulted in 20.7 ± 0.5 % inhibition 

relative to the control. Finally, in studies with N. europaea, bovine serum albumin (BSA), 

model natural organic matter was found to have a dual mode of protection against Ag-

NPs as it was both able to bind dissolved Ag ions and also bind to the surface of Ag-NPs 

[85]. 

2.7.2. Impact of Biological Characteristics on NP Response 

 While substantial research has focused on how environmental parameters change 

toxicity, fewer studies have examined how the biological characteristics of cells can also 

alter toxicity. In fact, the impact of biological factors on NP interactions remains largely 

understudied. In general, many previous studies used model species under non-
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representative laboratory conditions to examine NP toxicity [57,58,60]. Microorganisms, 

however, have specific traits like Gram-negative or Gram-positive cell walls that have 

been shown to influence NP toxicity [73].  Furthermore, the biology of microorganisms 

does not remain static throughout their lifespan.  Instead, microbes have distinct growth 

phases that change with time and grow differently as part of biofilms and mixed 

communities [12,59]. It is important for toxicity assays to incorporate these different 

facets of microbial biological characteristics to accurately describe the potential 

ramifications of metal-containing NP interactions with cells.    

Early studies exploring differential NP sensitivities resulting from cell 

characteristics focused on the variations in cell membrane, specifically Gram-positive 

versus Gram-negative cells. Gram-positive and Gram-negative cells have different 

membrane structures therefore, may have different susceptibilities to NPs. Initial studies 

suggested that Gram-positive bacteria were more robust to toxicity because of their 

thicker membranes as compared to the more complex but thinner membranes of Gram-

negative bacteria. For example, Gram-negative E. coli  (EC50: 28.6 mg/L) were found to 

be more sensitive to CuO-NPs than Gram-positive B. subtilis (EC50: 61.1 mg/L) and S. 

aureus (EC50: 65.9 mg/L) [73]. However, being Gram-positive or Gram-negative may not 

adequately define bacterial sensitivity to metal-containing NPs. For example, Giannousi 

and collaborators found that the toxicity of Cu-NPs to be independent of membrane 

status. The IC50 values for Gram-negative E. coli (12.28 mg/L) was nearly equivalent to 

the Gram-positive B. subtilis (10.91 mg/L), but an order of magnitude lower than both the 

Gram-negative X. campestris (46.70 mg/L) and S. aureus (45.36 mg/L) [86]. This 

difference in sensitivity may have resulted because membrane damage was not the only 
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toxicity mechanism for metal-containing NPs.  Alternatively, the Gram-negative and 

Gram-positive dichotomy may not effectively capture significant variation in 

microorganisms and may oversimplify the different sensitivities among microbes. 

 Traditional toxicity studies have focused on model microorganisms exposed to a 

toxic substance for specific fixed times, however microbial growth changes over time.  

Toxicity studies of NPs and other xenobiotic substances have employed fixed time 

measurements such as half maximal effective concentration (EC50) or minimum 

inhibitory concentration (MIC) to compare between conditions [87,88]. These 

measurements, however, were shown to change with the time of assessment resulting 

from changes in the biological parameters being assessed. Harrison and collaborators 

showed that after exposure to cobalt metal salts, the minimum bactericidal concentration 

(MBC) for Pseudomonas aeruginosa shifted from 104 to 140 mM after 25 hours [11]. 

These changes were attributed to differences in growth stages, specifically exponential 

versus stationary growth. Furthermore, Alda-Alvarez and collaborators showed that lethal 

concentrations (LCx) and effective concentrations (ECx) for Caenorhabditis elegans 

exposed to two different chemicals, carbendazim and pentachlorobenzene, varied over 

time and shifted differently depending on the end point examined [89]. These results 

show the importance of tracking changes to NP toxicity with respect to time and 

specifying the time of assessment when making comparisons.   

 Furthermore, previous studies of metal-containing NP toxicity did not mirror 

realistic growth conditions of microorganisms. In natural environments microorganisms 

grow as part of complex biofilms, but in many toxicity studies microorganisms were 

grown in planktonic unicellular monocultures [4,12]. Biofilms are complex communities 



	  
	  

28	  

of one or multiple species of microorganisms, which grow fixed to solid surfaces, 

produce protective extracellular polymeric substances (EPS), and exchange nutrients 

[12].  Preliminary research suggests biofilm growth may increase the resistance of 

microorganisms to metal-containing NPs through the action of the EPS. In research with 

N. europaea, alginate, a model EPS, at high concentrations (> 750 ppm) was able to 

protect nitrification activity from inhibition by Ag-NPs [85]. The study showed that 

alginate binding to Ag-NPs and slowing the rate of silver ion dissolution was the primary 

mechanisms for mitigating toxicity. Similarly, research showed that biofilm grown E. coli 

was 4 times more resilient to Ag-NPs than planktonically grown cells in short term 

growth inhibition studies [13]. In this experiment, it was suggested that the protective 

mechanism was different and biofilms reduced toxicity through the aggregation of 

particles and reduced the dilution of silver.  The results of both these studies, however, 

were determined for Ag-NPs, which are not biologically relevant NPs. It is unclear how 

these data would change for biologically relevant metal-containing NPs like copper and 

zinc.  Additionally, these studies were performed with monocultures and not within 

mixed communities so there was no opportunity to test to the impacts of synergistic 

responses between microorganisms or genetic exchange, which have been also shown to 

protect biofilms against foreign substances [12]. Therefore, it is important to examine the 

impact of biologically relevant metal-containing NPs like Cu-NP on microbes grown in 

biofilms.  

Finally, NP interaction studies have primarily focused on examining microbes 

under pure cultures, however in the environment, microbes exist as part of mixed 

environmental microbial communities. Under these conditions, microbes grow differently 
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because of mechanisms such as synergistic growth, functional redundancy, and the 

exchange of nutrients and fortuitous novel gene variants [90]. The few studies examining 

NP interactions with mixed microbial communities have primarily focused on cultures 

derived from manufactured systems such as those found in wastewater systems 

[50,70,91]. The studies suggest that NP reactivity can vary greatly from pure culture 

experiments. For example, researchers showed that microbial communities derived from 

activated sludge showed no negative impacts to ammonia and nitrate oxidation following 

exposure to Cu-NPs at concentrations found to be toxic for pure cultures of nitrifying 

bacteria [92,93]. Overall, these findings highlight the importance of examining metal-

containing NP interactions with microorganisms in mixed communities and examining 

microbial ecology under natural environments, which have been largely underexplored.  

2.8. Knowledge Gaps and Approaches 

Because microorganisms act as indicators of ecosystem toxicity and primary 

drivers of nutrient cycling, characterizing their interactions with metal-containing NPs 

will help mitigate the impacts of NP releases into the environment. While multiple 

studies have examined NP toxicity under model systems and some have studied the 

impacts of changing exposure medium chemistry, few have explored how biological 

changes to cells alter microbial responses to NPs. Understanding different microbial 

biological response mechanisms enables the design of more efficient and sustainable 

metal-containing NPs. For example, knowing the mechanisms by which biofilms protect 

cells can help design more efficacious metal-containing NP for antimicrobial purposes 

which can reduce their overall usage.   
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In order to properly assess toxicity under realistic conditions, nano-bio 

interactions must be investigated using the proper methods. Various assays have 

examined the interactions of microorganisms with NPs [61]. In early studies, microbial 

viability following NP exposure was measured with traditional culture-dependent cell 

abundance techniques like viable plate counts and optical density [4].  Newer techniques 

using fluorescence-based technology also were developed which can assay specific 

toxicity mechanisms.  Membrane integrity, for example, can be measured using Syto-9 

and propidium iodide (PI) based assays during which PI, bypasses intact cell membranes, 

enters compromised cells, and binds to nucleic acids [94].  Similarly, membrane potential 

can be examined using DiOC2 (3,3′-diethyloxacarbocyanine iodide) which is a dye that 

changes from green to red fluorescence with increasing membrane potential [95]. 

Furthermore, other dye based assays exist which can investigate oxidative stress 

responses, ROS generation, and ATP depletion [96,97].  With the advent of newer 

technologies, these assays have been adapted with varying levels of success to high 

throughput platforms to rapidly screen multiple different concentrations, exposure 

conditions, and NPs [17]. The utility of any of these specific assays varies based on the 

interaction of these metrics with the NPs, the cells being measured, and the exposure 

conditions. Regardless, these techniques allow researchers to examine various NP 

toxicity paradigms thoroughly under different environmentally representative conditions.   

In addition to single mechanism assays, toxicogenomic tools exist which are 

culture independent and can investigate multiple toxicity paradigms with fewer 

experiments. To examine specific processes in microorganisms, quantitative-polymerase 

chain reaction (qPCR) assays are useful for measuring the response in the abundance or 



	  
	  

31	  

expression of known function genes following exposure to metal-containing NPs [98]. 

Because qPCR assays are limited to examining individual genes, genome-wide 

approaches, such as microarrays, have been employed to perform more encompassing 

assessments and measure thousands of genes in response to NP exposure simultaneously 

[99,100].  Unfortunately, microarrays suffer from the biases of DNA/RNA extraction and 

amplification, and do not reflect changes in translational and post-translational 

modifications [101]. Furthermore, microarray-based techniques require prior knowledge 

of the genomic sequences of the sample being examined, which can bias studies using 

microarrays towards known and sequenced organisms and limit their utility in mixed 

communities. Recently to solve these issues, RNA sequencing methods such as 454 

Pyrosequencing have been employed to study the response of environmental microbial 

communities to metal-containing NPs [102].  Although these tools bypass the need to 

have assays for specific genomes, this and other sequencing techniques can be 

problematic because they suffer from limited read lengths and high variation within 

samples [103].  

 Ultimately, as stressed in this chapter, there are significant gaps to understanding 

the interactions of metal-containing NPs with microorganisms. Different methods exist 

which can examine specific toxicity mechanisms in detail or survey multiple potential 

toxicity paradigms simultaneously. No one particular assay employed in NP toxicity 

studies is free from innate biases built into the method. It is, therefore, important to 

understand which methods are best suited for understanding the specific hypothesis under 

scrutiny and choose the most appropriate one.  Using various methods in parallel to 

examine multiple questions, therefore, can enable researchers to effectively and 
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efficiently capture the complexity of NP interactions with microorganisms under 

representative conditions.  
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CHAPTER 3 

GENOME-WIDE ASSESSMENT IN ESCHERICHIA COLI REVEALS TIME 

DEPENDENT NANOTOXICITY PARADIGMS 
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3.1. Introduction 

Within the burgeoning field of engineered nanoparticles (NPs), zinc-containing 

nanoparticles (Zn-NPs), such as nanoscale zero-valent zinc (nZn) and zinc oxide (nZnO), 

have emerged among the most widely used (http://www.nanotechproject.org) and toxic 

[54,72,87,104].  Zn-NPs are currently used in consumer and industrial products such as 

cosmetics, paints, plastics, tires, and sunscreens, and are being developed for water 

disinfection and chemotherapeutic applications [105-107]. Comprehensive identification 

and understanding of Zn-NP’s toxicity paradigms and mechanisms is crucial for 

developing regulations for safer NPs and protecting ecological and human health [108]. 

Interestingly, while researchers have observed toxic responses in organisms at 

every trophic level – including mammalian cells, algae, bacteria, plants, crustacean, and 

fish - the mechanisms of Zn-NP toxicity remain unresolved [5,72,79,105,106,109-112]. 

Despite exploration of various toxicity mechanisms, researchers remain divided on 

whether toxicity results primarily from the release of free Zn2+ ions or unique Zn-NP 

specific properties. For example, in eukaryotic cells, researchers have observed DNA 

damage, ROS generation, and membrane leakage and depolarization after Zn-NP 

exposure [54,112]. George and coworkers showed the importance of ions by slowing the 

Zn2+ release rate from Zn-NPs which resulted in reduced toxicity in lung epithelial and 

macrophage cells [113]. In contrast, Lin and coworkers found that limited dissolution of 

Zn2+ in the culture media did not allow ions to contribute to cytotoxicity in lung epithelial 

cells [114]. Similar discrepancies in toxicity mechanisms have been observed in 

prokaryotes. Various studies observed that free Zn2+ in solution determined toxicity for 

Zn-NPs [7]. For example, Li and coworkers showed that media components which bound 

to the free zinc ions substantially reduced their toxicity towards Escherichia coli (E. coli) 
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cells [79]. However, different studies of E. coli suggest that the attachment of Zn-NPs or 

their aggregates was responsible for toxicity while others observed leakages in the cell 

membrane after exposure to nZnO but not from the respective salt, ZnCl2 [72,109,110]. 

The observed discrepancies highlight the need for a comprehensive assessment of 

toxicity mechanisms.  

Genome wide high-throughput methodologies offer a solution to this problem by 

enabling the examination of all potential mechanisms in parallel [115]. In contrast, 

traditional toxicity assays examine a single toxicity paradigm at a time and require a 

priori knowledge of the target. Genome wide approaches, such as microarrays have been 

employed to track the response of thousands of genes and pathways to Zn-NPs and other 

NPs [99,100]. However, microarrays suffer from the biases of DNA/RNA extraction and 

amplification, do not reflect changes in translational and post-translational modifications, 

and are unable to profile dead cells in which degradation of mRNAs is prominent [101].  

Furthermore, chip-based approaches typically only reflect a single time point due to cost 

and labor constraints [101,116]. 

Furthermore, the resulting single time point measurements ignore temporal 

changes in the NPs stemming from aggregation, dissolution, precipitation, NP aging, or 

acquisition of coatings which affect their interactions with cells [17,117]. Another 

potential approach is the use of a collection of reporter gene constructs utilizing green 

fluorescent protein (GFP)-fusions in E. coli to track differential gene expression in 

response to NPs in a time-resolved manner [118]. This methodology is limited as it only 

reports on a selected subset of genes and is unable measure biological responses under 

lethal conditions. Furthermore, the selection of promoters for reporter genes assumes 
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some prior knowledge of the toxicity mechanisms. In conclusion, complete toxicological 

assessments of NPs must utilize time resolved genome wide high-throughput 

methodologies. 

Here, this study addresses the limitations of current approaches by employing a 

time-resolved high-throughput screening (HTS) methodology using an arrayed genome-

wide E. coli knockout (KO) library to assess the Zn-NP stress response. This approach 

does not require a priori knowledge of toxicity mechanisms, as the library is comprised 

of roughly 4,000 clones allowing for nearly 90% of the E. coli genome to be scanned 

[119]. This methodology explored the biological responses of the model organism, E. 

coli, to Zn-NPs and salts on a genome wide scale, identified sensitive pathways, and 

examined the changes in these mechanisms over time. These results indicate that 

traditional single time point measurements will fail to recognize these changes in toxicity 

mechanisms. This genome wide time-resolved methodology, however, has the potential 

to provide a comprehensive assessment of NP toxicity, which is crucial for the correct 

assessment of nanotoxicity and safe design of NPs, and may become the standard for NP 

safety profiling.  

3.2. Materials & Methods 

3.2.1. Nanomaterial Preparation and Characterization 

Zinc-containing nanoparticles (Zn-NPs) were obtained from commercial vendors: 

nZn (Quantum Sphere, Santa Ana, CA) and nZnO, (Meliorum Technologies, Rochester, 

NY). To assess the contribution of Zn2+ ions to observed toxicity, ZnCl2 (>99 % purity) 

was used (Sigma Aldrich, St. Louis, MO). Prior to every assay, fresh zinc stock 

suspensions (1000 mg/L as zinc) were prepared by mixing Zn-NPs and ZnCl2 salt into 
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Luria-Bertani Broth (LB) media, followed by sonication in an ultrasonic bath for 30 

minutes at maximum power (FS30H, Fisher Scientific, 100 W, 42 kHz). All stocks were 

sonicated 1 minute before use and diluted to their final concentration using LB within 3 

hr of preparation of the stock solution. 

To determine particle size and zeta potentials in solution, a final concentration of 

100 mg/L as Zn2+, Zn-NPs /LB solutions were incubated at 37°C, and measurements 

were taken every 6 hr over a 24 hr period. The hydrodynamic diameters (aggregate sizes) 

of Zn-NPs were determined in LB media by dynamic light scattering (BI 90Plus, 

Brookhaven Instruments Corp.; Holtsville, NY) and zeta potentials (mobility) were 

computed from measured electrophoretic motilities (ZetaPALS, Brookhaven Instruments 

Corp). 

Dissolved zinc concentrations were measured by inductively coupled plasma-

optical emission spectroscopy (ICP-OES) according to U.S. EPA 3050B standard 

method. In brief, Zn-NPs and ZnCl2/LB media solutions (100 mg/L as Zn2+) were 

incubated at 37°C for 24 hr, then centrifuged and filtered through 3-kDa ultrafiltration 

membranes (Amicon Ultra-4 3K, Millipore; Billerica, MA) for 30 min at 2800xg. The 

filtrate was digested in HNO3 followed by ICP-OES measurements. 

NPs’ morphologies and chemical compositions were analyzed by field-emission 

scanning electron microscopy (FESEM; JEOL, JSM-6700F) equipped with an EDAX 

system (Genesis, EDAX). The particles were examined prior to and after introducing into 

LB media. As-received nZn and nZnO nanoparticles examined in dry power form served 

as a baseline for comparison. Additionally, the solid particles in LB media, consisting of 

insoluble NPs and precipitates formed by excess Zn2+ ion complexation with LB 
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constituents, were collected after 24 hr incubation at 37oC, using 0.03 µm polycarbonate 

track etch membranes (Sterlitech, WA) and dried in vacuum desiccators. Image analysis 

software, Image Pro (MediaCybernetics), was used to determine the particles’ sizes. The 

chemical compositions of the solid particles collected were determined by EDAX 

analysis.  

3.2.2. E. coli Cells & Knockout (KO) Library  

The Keio Library is comprised of 3,985 single knockout E. coli clones which 

encompasses about 90% (4390 total genes) of the genome of the base strain, BW25113 

[119]. Each KO clone carries a deletion of a single gene, with a kanamycin resistance 

gene serving as the replacement. The library was maintained in 12 384-well clear 

microtiter plates (Greiner Bio-One; Monroe, NC) in 10% glycerol/LB broth containing 

25 µg/ml of kanamycin and stored at -80°C. BW25113 was used as the control wild type 

(Wt) strain for each experiment and was cultured identically as the library, but was grown 

in LB in the absence of kanamycin. Prior to running toxicity assays, frozen microtiter 

stocks were pre-cultured in fresh LB media at 37°C for 24 hr before being transferred to 

LB without kanamycin. The Q-bot replicator (Genetix, New Milton, England) was used 

to pin a microdrop of cells between 384-well plates to transfer cells.  

3.2.3. Wt IC50 

The Wt strain was exposed to a dilution series of each zinc source to determine an 

appropriate concentration for the KO library screen. Briefly, Wt cells from pre-cultured 

microtiter plates were pinned into 384-well plates containing 80 µl of fresh LB media 

with Zn-NPs and salts at final concentrations ranging from 0.2 µg/L to 500 mg/L as 

Zn2+ (2-fold dilutions between each concentration). Each condition was tested with at 
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least 8 replicates. Clones were incubated for 24 hr at 37 °C and growth was measured by 

transmittance (OD600 nm) every 2 hr using the Acquest plate reader (Molecular devices). 

Growth was assayed every 2 hr to capture the lag, exponential, and stationary growth 

phases. Wells containing only E. coli cells (no added zinc) or Zn-NPs and ZnCl2 (abiotic) 

served as controls. Absorbance data were fitted using a nonlinear regression dose 

response model employing a four-parameter logistic equation (Prism 4, GraphPad 

Software, San Diego, CA), which was used to calculate the IC50 values and 95% 

confidence intervals. IC50 values were determined for every 2 hr time point after 6 hr.  

3.2.4. KO Screening  

To determine the most sensitive clones, the library was screened against the 24 hr 

IC50 concentration obtained in the initial Wt screen. After pre-culturing, the cells from the 

library were pinned into 384-well plates containing 80 µl of LB at the appropriate IC50 

concentration. For comparison, cells from the library were also pinned into 80 µl of LB 

with no added zinc. All conditions were run in triplicate to account for biological, 

systematic, plate to plate, and run to run variability. Plates were incubated at 37°C for a 

24 hr period and transmittance (OD600 nm) was measured every 6 hr using the Acquest 

plate reader (Molecular devices). As readings were taken every 6 hr, measurements 

reflect growth at lag, exponential, and stationary phases of E. coli growth.  A total of 

221,184 readings were processed for KO screening (12 library plates x 3 replicates x (3 

zinc sources + 1 control) x 384 wells x 4 time points).  
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3.2.5. Data Normalization and Hit Selection  

Data normalization occurred in two steps. First, to account for growth differences 

between control and experimental cells, the log2 average transmittance of the clone 

exposed to the IC50 concentration was divided by the log2 average transmittance from the 

unexposed control. Since lower bacterial growth resulted in higher measured 

transmittance, larger ratios of exposed to unexposed cells indicated more sensitive clones. 

Next, the robust Z-score method using the Median Absolute Deviation (MAD) method 

was employed to determine which clones had a statistically significant difference in 

growth relative to the entire library [120].  The robust Z-score was computed according 

to the following equation: 

MAD = 1.4826 * median(|Xij – median(Xj)|), 

Robust Z = (Xij- median (Xj))/MAD, 

where Xij is the ratio of the transmittance of the exposed control to the unexposed control 

for well i in plate j and median (Xj) is the median of the ratios in plate j. For each clone, 

the average robust Z-score was calculated for significance testing. Z-score methods were 

used to transform data so that it reflected a normal distribution, where scores are 

indicative of the distance from the central values. In order to find more sensitive clones, a 

clone was considered a hit when its Z-score was greater than 2.5 at any of the 4 time 

points (6, 12, 18, & 24 hr), which represents outliers comprising less than 0.5% of the 

theoretical normal distribution. Unlike traditional Z-score methods, using the MAD and 

median as indicators of distribution and central tendency, respectively, protects these 

estimates from outliers, which can skew estimations of the distribution and hide 

significant hits [121]. Hierarchical clustering analysis (HCA) was used to compare the 

relatedness of the Z-scores of each treatment. In HCA analysis, the distance metric was 
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set as Euclidean distance and the linkage method was set as Ward’s linkage clustering 

[122].  

3.2.6. IC50 Values for Selected Clones  

In order to characterize the different sensitivities of each clone identified as a hit, 

the selected clones were exposed to a dilution series of each zinc source to calculate IC50 

values. Using the Q-bot, sensitive clones identified in the KO screen were rearrayed from 

the original library into a single 384 well clear plate. After pre-culturing, the cells were 

pinned into a series of microtiter plates containing LB/zinc suspensions at 10 different 

concentrations. Each dilution series was based around the IC50 value of the respective 

metal source (3 2-fold dilutions above & 7 2-fold dilutions below). Each concentration 

was run in triplicate, plates were incubated for 24 hr at 37°C, and transmittance (OD600nm) 

readings were taken at 8 and 22 hr. The IC50 values were calculated for each time point 

using the same nonlinear regression model used for the Wt. A total of 69,120 readings 

were processed for assessing IC50 values (10 plate dilution series x 3 zinc sources x 3 

replicates x 384 wells x 2 time points). Hierarchical clustering analysis (HCA) was used 

to compare the relatedness of the IC50 values of each treatment and HCA was performed 

as previously highlighted for Z-scores.  

3.2.7. Gene Annotation and Cluster Enrichment  

The Database for Annotation, Visualization and Integrated Discovery (DAVID) 

v6.7, National Institute of Allergy and Infectious Diseases (NIAID), National Instituted 

of Health (NIH), was used to annotate the gene lists obtained from the KO library and 

enrich for sensitive clusters [123]. This internet-based resource integrates multiple 

databases such as GO, KEGG Pathways, and BioCarta to rapidly analyze gene lists from 
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high-throughput data and assign biological meaning. DAVID’s functional annotation 

clustering algorithm employs fuzzy heuristic clustering to determine the 

overrepresentation of related biological annotation terms relative to their representation in 

the reference genome. Clusters with a combined P-value less than 0.05, were considered 

significant.  

3.2.8. Gene Expression 

To confirm the importance of different gene pathways identified in the KO 

screen, expression of related functional genes was tracked using reverse transcript qPCR. 

Specifically, genes related to metal homeostasis (feoA, zntR, and copR), general 

metabolism and stress (recA and minC), membrane structure (rfaC), and antibiotic 

resistance (marR) were examined.  For all treatments, the gene gapA was used as a 

housekeeping gene for each organism. The housekeeping gene gapA was used to 

normalize gene expression to small differences in cell volume between each condition.  

Specific primer sequences are listed in Table 3.1. Primers were designed using the 

Primer Express® 3.0 software (Applied Biosystems).  

To prepare the cells for gene expression assays, Wt. E. coli cultures were exposed 

to 50 mg/L of nZnO or ZnCl2 for 24 hr, and total nucleic acids were extracted at 0, 6, & 

25 hr using the RNeasy Mini kit (Qiagen) according to the manufacturers protocol. The 

concentration and purity of the DNA and RNA were measured using a Nanodrop 2000C 

Spectrophotometer (Thermo Scientific, Wilmington, DE). Extracts were stored at -80 °C 

until further processing. After DNase treatment (Turbo™ DNase, Ambion), 

complementary DNA (cDNA) synthesis was performed using M-MLV Reverse 

Transcriptase (Life Technologies) according to the manufacturer’s protocol. 
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Table 3.1.  Genes, primer sequences, pathways, and annealing temperatures for qPCR.  

Gene Forward Reverse Pathway 

Anneal. 
Temp 
(°C) 

feoA TGCTTTCTCTTGGCATGTTACC TTTGCGTAATACCAGGCTCACA Metal Homeostasis 54 

zntR TTGGTGAGCTGGCAAAAATG AACCCACCTTCAGTACGCACTT Metal Homeostasis 58 

copR GGCTTTAACCTGGAAGAGAG CAATGTGTCGTTCGATCTCC Metal Homeostasis 56 

recA ACTGCCTGGCTGAAAGATAACC CAGAGAAATCCGGCGTTGAG 

General 
Metabolism 56 

minC GTTCCGCCATCAGGTTCGTA GATTGCCGATGGGAACATTC 

General 
Metabolism 58 

rfaC AACGACTGGCGGAAGGATTT CCCCGTATCCACCGACACTA Membrane 56 

marR GGCGTGTATTACTCCGGTTGA AACCTTTCCACCCAGCCTTT 

Antibiotic 
Resistance 58 

gapA TGGGACGAAGTTGGTGTTGA ACGGACCAGTCATAACCACTTTC Control 54 

 

All reactions were performed using the SYBR Green platform in the Applied 

Biosystems StepOnePlus Real-Time PCR System using the following temperature 

profile: 2 min at 50°C, 10 min at 95°C, 40 cycles of 95°C for 15 sec and the annealing 

temperature for 1 min, ending with 2 s at 70°C and 15 s 95°C. Primer sequences and 

annealing temperatures are provided in Table 3.1. Expression was normalized by the 

housekeeping gene, gapA and the respective gene’s transcripts in the unexposed control 

using the ΔΔCt method [124]. Triplicate measures were taken for each sample, and 

values were log-transformed to report order of magnitude changes. Results were 

presented as fold increase (FI).   
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3.3. Results 

3.3.1. Overall Methodology  

A time resolved HTS methodology using the Keio E. coli genome-wide KO clone 

library was developed to examine the bacterial toxicity of Zn-NPs (nanoscale zero-valent 

zinc (nZn), nanoscale zinc oxide (nZnO), and zinc chloride (ZnCl2) salt for reference). As 

each clone lacks a single gene, the sensitivity of multiple clones in a given pathway, 

cellular compartment, or cellular process to a zinc source suggests a particular toxicity 

paradigm or mechanism. This approach is in sharp contrast to conventional approaches 

that typically screen for individual targets. Furthermore, where conventional screens rely 

on single time point measurements, this methodology is based on screening across 

multiple time points and concentrations. In short, this approach was comprised of two 

stages, an initial KO screen to identify sensitive clones (Figure 3.1. A) and then 

secondary screening to determine IC50 values for each clone to identify absolute 

differences among clones (Figure 3.1. B) at two time points. Figure 3.1. summarizes the 

approach and results of the methodology and further details are elaborated below and in 

the material and methods section. 
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Figure 3.1. Overview of Experimental Procedures and Results. A High-throughput Screening 
(HTS) methodology using an E. coli genome-wide knockout (KO) clone library was developed to 
examine bacterial toxicity of zinc-containing NPs (nanoscale zero-valent zinc (nZn), nanoscale 
zinc oxide (nZnO), and zinc chloride (ZnCl2) salt for reference). As each clone lacks a single 
gene, the sensitivity of a group of clones to a zinc source suggests a particular toxicity 
mechanism. This approach was comprised of two components, an initial KO screen to identify 
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sensitive clones (Figure 3.1. A) and then determining IC50 values for each to identify absolute 
differences among clones (Figure 3.1. B). 

In the KO screen (Figure 3.1. A), clone growth (OD600nm) after exposure to a single wt 
IC50 concentration of each zinc source (nZn, nZnO, & the control, ZnCl2) was monitored over 24 
hr (t = 6, 12, 18, & 24 hr) (I & II). The ratio of the log2 OD600nm values of the exposed clones to 
the unexposed clones was used to normalize among clones. Next, a Z-score methodology 
controlling for experimental variation identified 173 clones displaying statistically significant 
growth reduction (hits). Hierarchal cluster analysis in combination with heatmaps was used to 
identify trends among sensitive clones (III). In addition to zinc source specific differences, many 
were only hits at either early (6-12 hr) or late (18-24 hr) times and few were hits at both times and 
hits from each time point represented different biological categories. These sensitive clones were 
isolated from the library and subjected to further characterization (IV). 

Clone specific IC50 concentrations were determined at an early (8 hr) and late (22 hr) time 
points (Figure 3.1. B). In contrast to the relative metrics used in the initial screening, the absolute 
metric of IC50 was determined for comparison. Clones were exposed to 10 concentrations around 
the IC50 of each zinc source (3 2-fold dilutions above & 7 2-fold dilutions below), and growth 
was measured at both times (I & II). Clones exhibited high, intermediate, and mild sensitivity 
(IC50s), which reflected their time-dependent sensitivity. High sensitivity clones displayed low 
IC50s at both time periods, while intermediate and mild sensitivity clones showed varying degrees 
of recovery (High IC50s). Overall, clones displaying high sensitivity were more likely to have 
been identified as late hits in the KO screen, while mild sensitivity clones were more likely to be 
detected as early hits (IV). These results suggest that NP toxicity changes and that single time 
point measurements cannot capture this dimension. 
	  

3.3.2. Physical-Chemical Properties 

Both Zn-NPs in powder form exhibited large variation in size. The average 

primary particle size reported by the manufacturer for nZn and nZnO was 92.5 and 10.0 

nm, respectively. In the dry powdered form, both appeared aggregated (Figure 3.2. A). 

Based on FESEM observations, the morphologies and sizes of both NPs did not vary 

significantly after suspending in Luria-Bertani Broth (LB) media (~100-160 nm). 

Observed particles consisted of both insoluble Zn-NPs and particles formed by the re-

precipitation of dissolved Zn2+ with counter ions such as PO4
3- in LB media. Relative to 

Zn-NPs, precipitates formed by excess ZnCl2 salts were an order of magnitude smaller 

(18 +/- 4 nm). 
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Figure 3.2. The aggregate particle size of powders and resulting filtrate after 24 hr incubation 
in LB visualized by FESEM (Figure 3.2. A) and the dissolved Zn2+ concentration after 24 hr 
incubation in LB media (Figure 3.2. B). In relationship to zinc nanoparticle morphology, the 
morphology of both NPs did not vary significantly after suspending in LB media, and aggregate 
sizes in the filtrate remained in same range as the powder. ZnCl2 aggregates were an order of 
magnitude smaller than NP aggregates. Relative to ion concentrations, Zn2+ ions released from 
Zn-NPs and ZnCl2 in LB as measured by ICP-OES were nearly equal with roughly 40% of the 
added concentration for each. 
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During the 24 hr incubation in LB, the zeta potential (~ 20 mV) of nZnO 

remained constant in LB, while the zeta potential of nZn decreased from -27.6 to -17.5 

mV nearing the range of nZnO (Table 3.2.). This suggests that an oxide layer formed on 

the particles in solution. The aggregate size of the particles as measured by hydrodynamic 

diameter, however, increased initially, but remained consistent after 6 hr of incubation 

(Table 3.2.). Generally, nZn aggregate sizes were 2x those of nZnO. While their 

hydrodynamic diameter changed slightly over 24 hr, the dissolved Zn2+ ion 

concentrations were similar throughout all 3 zinc solutions with roughly 40% of the total 

added Zn2+ present in the media as free ions (Figure 3.2. B). The concentration of free 

Zn2+ in LB without added zinc was 0.86 ± 0.09 mg/L. 

Table 3.2. Zeta potentials and suspended aggregate particle sizes of Zn-NPs in LB media 
(n=3). The zeta potentials of both particles remained consistent throughout the 24 hr incubation 
period. For suspended aggregates, nZnO was smaller than nZn. For both particles, aggregate size 
increased initially, but remained constant after 6 hr. Error bars represent standard deviation. 

	  

The chemical compositions of Zn-NPs and salts before and after suspension in LB 

media are summarized in Figure 3.3. The oxygen peak appeared in EDAX analysis for 

pure nZn powder, implying oxidation of nZn powder during storage. As the X-Ray probe 

does not completely penetrate the sample, our results suggest only surface layer oxidation 

or the formation of Zn(OH)2. Furthermore, the Zn:O molar ratio for nZn was 1:0.93, 

which was near the Zn:O ratio observed for nZnO (1:1.08). As the formation of an oxide 
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layer is likely under an aerobic environment, this reflects exposure parameters in various 

environments where NPs may be released. When exposed to LB, significant amounts of 

phosphorus appeared in the solids collected from nZn and nZnO suspensions in LB 

media. The oxygen content (with respect to Zn) in those samples showed appreciable 

increases as well. This implies the presence of Zn3(PO4)2, which has a solubility product 

of Ksp=9.0x10-33 among other species [7]. For ZnCl2, although the salt has high solubility 

in water, other counter ions present in the media, such as OH-, and PO4
3-, can also form 

precipitates with Zn2+. From the EDAX result, the Zn:P:O ratio was 1:0.50:3.39, which is 

close to the atomic ratio of Zn3(PO4)2, i.e. 1:0.67:2.67, suggesting that Zn3(PO4)2 was 

also the dominant precipitated species. The ratio is not exact as the precipitation was 

expected to be a mixture of different Zn salts; therefore, it is expected to only have a 

rough match.  
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Figure 3.3. Chemical composition of zinc powders and resulting filtrate after 24 hr 
incubation in LB based on EDS and FESEM, respectively (Figure 3.3. A and B). After LB media 
exposure, the significant amount of P and increased oxygen content (relative to Zn) in the solid 
collected from nZn and nZnO LB suggest the presence of Zn3(PO4)2 as the dominant species. The 
presence of oxygen peaks suggests the formation of an oxidation layer. 

3.3.3 Time Resolved Wt IC50 

Exposing the Wt strain to a dilution series of Zn-NPs and salts (0.2-500 mg/L as total 

Zn2+ added) revealed that ZnCl2 was the most toxic followed by nZnO, then nZn (Table 

3.3.). Among all 3 zinc sources, there was an overall increase in IC50 values throughout 

the 24 hr period. The decrease in toxicity varied between zinc sources. The IC50’s for 
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ZnCl2, for example, increased nearly 75 % (40.7 mg/L [6 hr] - 71.07 mg/L [24 hr]), while 

nZn IC50’s only about increased by 36% (96.41 mg/L [6 hr] - 131.6 mg/L [24 hr]).  

Table 3.3. IC50 values for the wild-type (Wt) E. coli after exposure to ZnCl2, nZn, and nZnO. 
With respect to the zinc source, the toxicity decreased with the following trend: ZnCl2 > nZnO > 
nZn.  For all sources, toxicity decreased with time. Error bars represent 95% CI interval 

 IC50 (mg/L as Zn2+) 

Time (hr) ZnCl2 nZn nZnO 

6 40.8 ± 13.6 96.4 ± 7.5 68.4 ± 6.6 

8 40.8 ± 25.1 110.3 ± 4.9 86.6 ± 6.2 

10 40.6 ± 29.6 113.2 ± 4.7 92.5 ± 4.8 

12 47.6 ± 4.6 114.1 ± 4.0 95.1 ± 4.0 

14 54.0 ± 4.5 117.9 ± 4.1 99.1 ± 3.5 

16 59.3 ± 4.6 121.1 ± 3.6 102.2 ± 3.3 

18 63.8 ± 4.5 124.9 ± 2.9 106.5 ± 3.0 

20 68.7 ± 4.4 127.5 ± 2.1 110.7 ± 3.4 

22 71.1 ± 4.2 131.6 ± 2.5 115.2 ± 3.5 

24 73.7 ± 4.2 131.6 ± 2.1 119.3 ± 2.9 

3.3.4. KO Library Screen 

The Keio E. coli KO library was exposed to the IC50 concentration of each zinc 

source obtained from the Wt data (Table 3.3.) and growth inhibition (transmittance: 

OD600nm) was assessed over a 24 hr period. Growth inhibition was assessed every 6 hours 

to capture to the lag, exponential, and stationary growth phases. As each clone has a 

different growth profile, a copy of the library with no added zinc was run in parallel for 

reference. For data mining, the ratio of the log2 transmittance values of the exposed 

clones to the unexposed clones was formed, and a robust Z-score method was employed 



	  
	  

52	  

to identify statistically sensitive clones and control for differences among clones and run 

to run and plate to plate variation [125]. Further details can be found in the material and 

methods section and Figure 3.1., which summarizes these methods and results of the KO 

library screening (Figure 3.1. A) and IC50 values of sensitive clones (Figure 3.1. B). Of 

the 3,985 clones screened, 173 clones exhibited an increased sensitivity to ZnCl2, nZn, or 

nZnO at any of the 4 times surveyed resulting in a cumulative hit rate of 4.3%. The 

heatmap in Figure 3.4. A summarizes the Z-scores of the selected clones, in which the 

green spectra colors indicate positive Z-scores (more sensitive) and Z-scores greater than 

2.5 were classified as hits [120]. Using hierarchical cluster analysis (HCA), a distinct 

dichotomy was observed between early and late responding clones which conventional 

single time point approaches would have missed. HCA grouped the earlier 6 and 12 hr 

time points together and the later 18 and 24 hr time points together (Figure 3.4. A & B). 

This resulted in 106 “early” and 91 “late” hits with only 24 hits shared between time 

periods (Figure 3.4. B). 
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Figure 3.4. The Z-scores for the 173 sensitive clones after exposure to ZnCl2, nZn, & nZnO 
at 4 time points (6, 12, 18, & 24 hr) (Figure 3.4. A) and distribution between categories (Figure 
3.4. B & C). For the heat map, green spectrum colors indicate positive Z-scores (more sensitive) 
while red spectrum colors indicate negative Z-scores (less sensitive). Hierarchical Clustering 
Analysis (HCA) was used to determine similarities among Z-scores. In general, clustering 
suggests that Z-scores varied across time and among zinc sources. Tight clustering was observed 
between early hits (6 & 12 hr) and late hits (18 & 24 hr) which supports an early late dichotomy 
in responses to zinc. KO Library screening hit distribution varied for hits across time (Figure 3.4. 
B) and across source (Figure 3.4. C). 

ZnCl2 had the most pronounced effect on the clones as it elicited 112 total hits, with 

70 unique hits (62%) that were not detected by either Zn-NPs. In contrast, only 17 of 77 

total (22%) nZn sensitive clones and 19 of 81 total (23%) nZnO sensitive clones were 
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unique for either Zn-NP (Figure 3.4. C). 30 clones were shared hits by all 3 zinc sources, 

while the remaining 37 clones were shared hits for both Zn-NPs (25), ZnCl2 & nZn (7), or 

ZnCl2 & nZnO (5). Furthermore, in addition to sharing multiple hits between Zn-NPs 

(71% for nZn and 68% nZnO), the Z-scores for both were clustered together at each time 

point (Figure 3.4. A). ZnCl2, in contrast, formed its own cluster at the late time periods 

(18 & 24 hr). This suggests that the toxicological profiles of the Zn-NPs were more 

closely related than ZnCl2 and suggests nano-related toxicity paradigms. 

In order to enable further data interpretation and the detection of nano-related 

toxicity pathways, the Database for Annotation, Visualization and Integrated Discovery 

(DAVID) v6.7’s functional annotation clustering algorithm was used to determine the 

overrepresentation of annotation terms from the clones detected relative to their presence 

in the E. coli genome. The results are shown in Figure 3.5. Functional annotation 

clustering of the entire sensitive clone list resulted in the enrichment of 8 functional 

clusters, representing 5 general biological categories; metal homeostasis (metal ion 

transport and metal ion biding), membrane related (lipopolysaccharide biosynthesis and 

cell membrane structure), transport (ABC Transporters), central metabolic reactions 

(monosaccharide metabolism), and regulation & signaling (transcription regulation and 

two-component signaling). For the gene list as a whole, all clusters were significantly 

enriched based on a combined p-value of 0.05 with the exception of transcription 

regulation, which appeared enriched to a lesser extent. Combined P-values were 

calculated as the geometric mean of the enrichment P-values for each annotation term 

associated with the genes in each cluster [123]. It is important to note that the size of the 

functional clusters was not equal for all clusters: For example, metal ion binding and cell 
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membrane structure contained 29 and 27 genes, respectively, while the monosaccharide 

metabolism cluster had the fewest members with 8 genes. 

 

 

Figure 3.5. Functional clustering analysis for sensitive clones in KO Library screening. 
Cluster significance shows the overrepresentation of annotation terms of the sensitive clones 
relative to their presence in the E. coli genome. Enrichment cluster analysis was performed for 
hits in the following categories (Figure 3.5. A) sensitive clones- all, (Figure 3.5. B) time, 
(Figure 3.5. C) early- source, and (Figure 3.5. D) late-source. In total, the sensitive strains 
enriched for 8 clusters spanning 5 general biological categories: (1) regulation and signaling 
(two-component signaling, transcription regulation), (2) metal homeostasis (metal ion binding & 
metal ion transport), (3) transport (ABC transporters), (4) central metabolic reaction 
(monosaccharide metabolism), and (6) membrane related (lipopolysaccharide biosynthesis & cell 
membrane structure). Temporally, early hits affected general metabolism, transport, transcription 
and regulation, and metal ion binding and transport while later hits enriched for genes related to 
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membrane generation and structure. Relative to zinc source, all metals enriched for clusters 
related to metal ion binding and transport at early time points and membrane generation & 
structure at later time points. 

 

Next, the data was broken into early and late time points and re-analyzed for 

enrichment in functional clusters (Figure 3.5. B). Specifically, clusters relating to two-

component signaling, metal ion transport & binding, ABC transport, and monosaccharide 

biosynthesis, were more enriched during earlier time points, while clusters related to 

lipopolysaccharide biosynthesis and cell membrane structure were more enriched at later 

time points. Moreover, when the data was subdivided further for early and late time 

points and by zinc source (Figure 3.5 C and D), much of the enrichment was retained. 

Most importantly, subdivision into nanoscale and bulk materials leads to the appearance 

of functional clusters specific for nanoscale or bulk materials both for early and late time 

points. Of the clusters for the early time points, both bulk and nanomaterial showed more 

enrichment of clusters related to metal homeostasis (metal ion transport and binding), and 

transcription regulation (Figure 3.5. C). Only ZnCl2 enriched for the gene cluster related 

to two-component signaling, while nZnO enriched for the cluster related to 

monosaccharide biosynthesis. This cluster is missing in the late time points and would 

have been missed using conventional single point assays. The same goes to some extent 

for nZn and the cell membrane structure cluster, albeit it is somewhat retained for later 

time points. Interestingly, all 3 zinc sources displayed enrichment for clusters related to 

membrane structure (lipopolysaccharide biosynthesis and cell membrane structure) 

during the late time points (Figure 3.5. D), but only nZnO shows a highly enriched 

cluster for metal ion binding. In short, most of the enrichment of functional clusters is 
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time dependent irrespectively of NPs or bulk material and functional clusters specific for 

both NPs and bulk material can be found. 

3.3.5. IC50 Values of Sensitive Clones 

The clones which were determined to be sensitive to bulk or nano-forms of Zn 

were further characterized by IC50 measurements at an early (8 hr) and late (22 hr) time 

point for each zinc source to investigate the observed trends further (see Figure 3.6. for 

results). The methodology and subsequent characterization of clones is summarized in 

Figure 3.1. B and further details can be found in the materials and methods section. In 

contrast to the relative differences in sensitivities observed in the KO library screen, IC50 

values represent an absolute metric for comparison of the fitness of a given KO clone. 

Overall, the IC50 values for the selected clones exhibited a time dependent increase which 

was similar to those observed in the Wt (Figure 3.6. & Table 3.3.) with ZnCl2 exposure 

resulting in the lowest IC50 values for both the Wt and sensitive clones. It is not surprising 

that the Wt and clones do not match up exactly as the growth pattern in a given KO clone 

results in part from growth compensation in the absence of a particular gene which is 

different from Wt growth. Overall, the clones ZntA & ZntR displayed consistently the 

lowest IC50 values. Across all 3 zinc sources, their IC50s remained at ~10-20 mg/L at both 

time points, which is ~4-7 folds lower than the overall averages. 

 IC50 values repeat the dichotomy observed in the KO screen between early and 

late hits as some clones had initially low IC50s, but recovered, while other clones 

maintained low IC50 values throughout (Figure 3.6. A). HCA was used on each zinc 

source to divide the clones into 3 subgroups: high, intermediate, and mild sensitivity. 

High sensitivity clones had the lowest IC50 values at both time points, while mild 
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sensitivity clones had initially low IC50 values at 8 hr, but increased to high values at 24 

hr, i.e. the clones recovered to normal growth which was also observed during primary 

screening. Moderately sensitive clones were between these two extremes.  Mean values 

of each category across time points highlight these results (Figure 3.6. B). To 

characterize overall sensitivity, clones were grouped into the category in which it was 

classified the most across all three metals. Generally, clones fell into the same category 

across zinc sources and discrepancies varied by one level of sensitivity. Only 4 clones 

(gpt, ybdD, yijP, & yebA) spanned more than one level of sensitivity and these outliers 

together did not represent any collective functional category. This resulted in 26 high, 94 

intermediate, and 53 mild sensitivity clones.  

 

Figure 3.6. Time resolved IC50 values. The heat maps of sensitive clone IC50 values show 
differential shifts in IC50 values over time (Figure 3.6. A). Green spectrum colors are high values 
and red spectrum colors are low values. Hierarchal cluster analysis (HCA) on each zinc source 
divided clones into 3 categories: (1) High sensitivity, (2) Intermediate sensitivity, and (3) Mild 
sensitivity. Highly sensitivity clones had low IC50 values at both time points, while mildly 
sensitive clones had initially low IC50 values at 8 hr, but increased to higher values at 22 hr. 
Intermediately sensitive clones were in between these two conditions. The clusters generally 
agreed among sources. Differences in the IC50 values of each sensitivity category are reflected by 
the mean IC50 values, which increase with time (Figure 3.6. B). ZnCl2 was more toxic than either 
NP. 
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Interestingly, those clones classified as late hits or shared hits between time points 

were more likely to be classified as high sensitivity clones, while those classified as early 

hits were more likely to be detected as mild sensitivity clones (Figure 3.7. A). For 

example, in overall sensitivity, nearly 93% of the high sensitivity clones were late or 

shared hits, while 81% of the mild sensitivity clones were early hits. This trend was 

evident in the overall classifications of sensitivities and for the sensitivities derived from 

exposure to each zinc source. This suggests highly sensitive hits can be detected at both 

time periods, while mild hits are lost at later time periods. 

Functional annotation clustering of clones at each level of sensitivity revealed 

distinct categories of enrichment and reflect clusters identified by the early and late hits 

(Figure 3.7. B). Mild sensitivity clones had more enrichment in categories related to two-

component signaling and ABC transporters, while high and intermediate sensitivity 

clones enriched for lipopolysaccharide biosynthesis and cell membrane structure. 

Categories related to metal ion binding and transport were present at all three levels of 

sensitivities. This suggests that toxicity mechanisms as reflected by the different clusters 

may be evident at different times, depending on when toxicity is assessed. 
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Figure 3.7. Clone sensitivity from IC50 clustering relative to status from primary screening 
for (I) overall: sensitivity, and separated by source: (II) ZnCl2, (III) nZn, and (IV) nZnO and 
functional clustering analysis for the clones overall sensitivity. Regardless of source, those hits 
which were categorized as late hits are more likely to display high sensitivity, while those 
detected as early hits are more likely to display mild sensitivity (Figure 3.7. A). As clusters 
agreed among sources, functional clustering analysis was performed for the clones overall 
sensitivity (Figure 3.7 B). Cluster significance displays the overrepresentation of annotation 
terms of the sensitive clones relative to their presence in the E. coli genome. All 3 levels of 
sensitivities share categories related to metal ion binding and transport. Clones with mild 
sensitivity had more enrichment in clusters related to signaling and transport, while high 
sensitivity clones and intermediate sensitivity clones enriched more for membrane related 
clusters. 
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3.3.6. Gene Expression 

 To confirm the importance of pathways identified in the KO screen, gene 

expression of Wt. E. coli was measured over 24 hr of exposure to nZnO and ZnCl2 

(Figure 3.8.). All expression was normalized to the unexposed control and log 

transformed. Increased expression was observed for genes related to pathways that were 

identified through screening. Specifically, metal homeostasis (feoA), general metabolism 

(recA & minC), membrane related (rfaC) showed greater expression than the unexposed 

control. Furthermore, the membrane related gene rfaC showed the greatest expression at 

24 hr which further supports the early late dichotomy which found membrane related 

pathways to be more important at late periods. In general expression was similar between 

ZnCl2 and nZnO confirming previous observations that shared pathways exist between 

both metal species. Interestingly, the antibiotic resistance gene marR showed the greatest 

expression at 24 hr among all genes assayed and both metal species.  

 

Figure 3.8. Expression of genes from pathways identified in the KO screen in Wt. E. coli. 
Genes related to pathways identified in the knockout screen were found to have increased 
expression relative to the unexposed control, which confirm their importance to Zn-NP toxicity. 
Also nZnO and ZnCl2 showed similar expression confirming their shared toxicity response.   
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3.4. Discussion 

NPs are subject to physical processes such as aggregation, dissolution, and re-

precipitation of dissolved ions that occur over time [17]. Similarly, biological responses 

such as adhesion, absorption, and transformation of a foreign material also vary with time 

[89]. As a single time point measurement cannot capture these changes, only time-

resolved methodologies can incorporate the temporal differences in chemistry and 

biology to reliably assess the dynamic interactions of NPs with organisms. While some 

current approaches have attempted to incorporate the temporal dimension, a 

comprehensive and unbiased study has not been conducted to date due to cost and 

technological limitations. Here, a genome-wide time resolved HTS methodology was 

applied toward the identification of toxicity pathways in E. coli using widely available 

nano-Zn and nano-ZnO as model NPs and ZnCl2 as a reference. This study evaluated the 

sensitivities in an E. coli genome-wide KO library over a 24 hr period and identified 173 

clones sensitive to Zn-NPs and/or ZnCl2.  

Importantly, these 173 clones were not equally sensitive over the entire 24 hr nor 

were they equally sensitive to all zinc sources at each time point. These results showed 

pronounced dichotomy between early and late time points with only a small portion of 

the clones being shared between early and late time points. Many of the clones displaying 

early sensitivity recovered and would have not been detected by conventional end-point 

assays such as IC50’s, which miss a substantial portion of the toxicity response. More 

importantly, the clones sensitive at early time points showed markedly different 

enrichment of biological pathways (i.e. clusters) from late responders. Clones related to 

signaling and regulation (two-component signaling & transcription regulation), transport 

(ABC transport), and central metabolic reactions (monosaccharide biosynthesis) were 
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more enriched at early time points (8 & 12 hr), while membrane related clusters 

(lipopolysaccharide biosynthesis & cell membrane structure) were more enriched at later 

times (12 & 24 hr). Clones relating to metal homeostasis were detected at both time 

points, but they experienced greater enrichment earlier. As a result, end point assays have 

limited usefulness for the safety assessment of materials, as they do not allow for 

building models on a complete datasets. 

Even more significantly, this time dependent behavior was consistent for the 

entirety of the sensitive clones. Time dependence was well pronounced when subdividing 

the clones into bulk and nano-material reflecting their specific toxicity paradigms. For 

example, during early times nZnO showed enrichment in monosaccharide biosynthesis 

and transcription regulation clusters while nZn showed enrichment in cell membrane 

structure clusters. Interestingly, nZnO showed enrichment at late time points for metal 

ion binding while ZnCl2 and nZn did not enrich in this cluster at this time point. The 

differences in cluster enrichment point to different toxicity pathways and paradigms, 

which are dependent on the growth phase of the bacterial culture. Specifically, the 

enrichment of clones related to general metabolism (monosaccharide biosynthesis) by 

nZnO and two-component signaling by ZnCl2 during early time points may reflect the 

changing constraints found at different bacterial growth phases. Measurements taken at 

early time points (6 & 12 hr) reflect E. coli cells in or near exponential growth. Clones 

related to the cluster monosaccharide biosynthesis participate in important processes such 

as glycolysis and the pentose phosphate pathway, which are essential for energy 

generation during exponential growth. Similarly, of early responding clones in the cluster 

two-component signaling, all except one (11 of 12), are necessary for shifts in 
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metabolism and utilization of specific compounds (carbon utility: arcB, creC, dcuS, frwB, 

pgm, pfkB, ptsI, and ptsP, nitrogen: glnL, NAD cofactor: nadR, & phosphorous: phoU). 

Clones lacking genes from either cluster would be at a disadvantage as they would be 

unable able to meet the energy demands of rapid growth, while combating with stress 

induced by NP or ZnCl2.  

The time-dependent sensitivity of differing biological pathways was also reflected 

in the time-resolved IC50s of the sensitive clones. Many clones, which were sensitive at 

early time points in KO screening, showed a marked decrease in absolute toxicity as their 

respective IC50s increased over time. These clones, which were classified within the mild 

sensitivity category, represent biological pathways related to ABC transporters and two-

component signaling pathways. In contrast, clones detected at later time points, typically 

membrane related clones (lipopolysaccharide biosynthesis and cell membrane structure), 

displayed persistent toxicity (intermediate to high sensitivity), as they exhibited low IC50 

values that did not increase substantially throughout the 24 hr study period. Clones 

relating to metal homeostasis (metal ion binding and transport) were enriched at both 

early and late time points and range from high to mild sensitivity. Taken together, the 

results from the KO screen and time-resolved IC50s suggest that some clones exhibited 

transient sensitivities during exposure at early time points, while other clones exhibited 

persistent sensitivities after prolonged exposure. Overall, the time resolved methodology 

revealed different toxicity mechanisms were active at different experimental times and all 

of these trends are undetectable with conventional single end-point assays or even single 

mechanism time resolved approaches, which are less comprehensive than a full genome-

wide scan.  
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The membrane related clones (lipopolysaccharide biosynthesis and cell membrane 

structure) were the largest enriched clusters for all zinc sources, detected as late hits in 

the initial screen, and maintained a high sensitivity to Zn throughout the 24 hr period in 

IC50 analysis. The presence of these clones as sensitive hits suggests the involvement of 

direct membrane damage or lipid peroxidation, both of which have been observed in Zn-

NP toxicity [106,110]. Exclusion by membrane barriers serves as an important defense 

against metals entering into the cell [126]. Lipopolysaccharides within the outer 

membrane have been shown to have an important role in slowing the rate of influx of 

metals and other toxic compounds into bacterial cells [127]. Furthermore many efflux 

pumps are transmembrane proteins, therefore, poor membrane integrity can be expected 

to hamper their functionality [128]. These results suggest that clones with membrane 

deficiencies were unable to recover from toxicity stemming from all three zinc sources. 

Moreover, It is demonstrated here that end point assays, which are currently the standard, 

have a bias towards the detection of injury paradigms, which are related to structural 

components and lipid biosynthesis. 

The release of Zn2+ into the media and resultant ion damage was an important 

toxicity mechanism for both Zn-NPs and the ZnCl2 salt as indicated by the enrichment of 

clusters related to metal homeostasis (metal ion binding and metal ion transport) among 

all zinc source sub-groupings in both the KO screen and IC50 analysis. Clones lacking the 

zinc-specific-ion regulating system of ZntA and ZntR, were the most susceptible to 

toxicity from Zn-NPs and ZnCl2 at both time periods, and were found to be the most 

severely growth inhibited during IC50 analysis. While clusters related to metal 

homeostasis were present at both time periods, greater enrichment was observed earlier, 
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which may be related to the exponentially growing cells assayed at that time. These 

results agree with Yamamoto and coworkers who found that in the presence of excess 

zinc, zntA and other zinc homeostasis genes were rapidly over expressed during 

exponential growth of E. coli cells [129]. When in excess, Zn2+ can compete with other 

metals such as Ni2+, Co2+, and Fe2+ in the biding domain of metalloproteins and as a 

result the incorporation of zinc into nascent polypeptides may be exaggerated in rapidly 

dividing cells [130]. Therefore, clones with already comprised metalloproteins, that fulfill 

critical functions in the cell, will exaggerate this response. Additionally, clones relating to 

the ABC transporter cluster were enriched during early time points. Of the 18 clones in 

this cluster, 9 (50%) relate to metal homeostasis (btuF, entC, fecE, feoA, fepC, nikD, 

nikA, yebz, & zntA) further linking the combined stress from exponential growth and 

excess zinc. 

These shared mechanisms in toxicity pathways may be explained by similar 

chemical properties observed in each zinc source after exposure to LB. In general, the 

morphologies and chemical composition of suspended NPs were similar following 

exposure to the rich organic LB media. Results from the chemical component analysis of 

powders before and after exposure to LB media highlight that the solution chemistry 

dominated the dissolution and re-precipitation processes regardless of the form of zinc 

metal. Zn-containing NPs and salts approached chemical equilibrium in LB media, which 

is a rich medium with high organic content and ionic strength (~170 mM). Following 

partial dissolution, Zn2+ ions formed various soluble and solid complexes with media 

constituents. For example, phosphate complexes comprised the dominant species across 

all zinc filtrates. Furthermore, the oxide layer formed on nZn suggested by the zeta 
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potential and EDAX measurements may explain the high percentage of shared hits 

between nZn and nZnO in the KO library screen and similar ranges for IC50s. These 

transformations determined the bioavailable forms of zinc released from each zinc source. 

The toxicity caused by NPs and salts can be understood, as the combined effects of Zn2+ 

and various NPs and NP-aggregates, which were not identical to the particles initially 

added to the media. Furthermore, the exposure of Zn-NPs and salts in LB mirror the 

exposure conditions in other waters with high organic content, such as influent at 

wastewater treatment plants where the accumulation of Zn-NPs and salts are likely to 

occur.  

In spite of these similarities, free ions alone were not able to explain toxicity as 

the IC50 values of ZnCl2 were generally the lowest and it elicited the most hits in 

screening relative to either NP. ZnCl2 elicited responses from 70 clones that were not also 

hits for nZn or nZnO and at early time points ZnCl2 showed greater enrichment of clones 

related to two-component signaling, while nZnO showed greater enrichment of clusters 

related to monosaccharide biosynthesis. These differences may occur, because the 

bioavailability of zinc may be different when introduced as a free ion (ZnCl2) or as part 

of a NP. ICP analysis showed that free Zn2+
 concentration was similar (~ 40 mg/L as 

Zn2+) for all zinc sources, yet the precipitates of ZnCl2 (17.8 ± 3.7 nm) were an order of 

magnitude smaller than either nZn (159 ± 48 nm) or nZnO (102.2 ± 22.7 nm). Previous 

studies of metal-containing NPs have reported that aggregation can reduce the 

bioavailability of the metal and resulting toxicity [82]. Aggregation of the particles in the 

media may have reduced the relative surface area available for reactivity and ion release. 

This may have resulted in ZnCl2’s differing toxicity behavior and suggests that a more 
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complex model is necessary. In contrast to the free ion activity model, the biotic ligand 

model, which involves a thorough exploration of solution chemistry and has been shown 

to be an effective model for predicting zinc toxicity, may be a stronger indicator [131].  

This dichotomy of temporal sensitivities has implications for predictive 

nanomaterial toxicity assessments. The early toxicity responses, which resulted in 

temporary growth retardation, were not detectable at later time points and these transient 

mechanisms would be ignored using single point IC50s. This highlights the advantage of 

this method’s ability to distinguish the dynamic time-dependent responses without having 

any prior knowledge of specific toxicity. This can be contrasted with traditional single 

time point knowledge based microarrays or traditional mechanism assays, which reflect 

isolated responses. Previous toxicity studies, therefore, which have only measured single 

time points on this collection or utilized similar genome-wide methods, may have missed 

time sensitive biological responses [132,133]. 

These results suggest that both Zn-NPs and salts are toxic due to mechanisms 

relating to ion release, membrane damage, and metabolic effects but vary in their timing 

and severity. Understanding the time dependence of NP toxicity will be crucial in 

minimizing the impact of these toxicants to aquatic environments, terrestrial soils, and 

wastewater treatment plants – the most common sinks for contaminants [6,134]. The first 

levels of interaction and uptake will be among primary producers, specifically, 

microorganisms like bacteria and algae. As Zn-NPs have been shown to change the 

balance and composition of soil bacterial communities, microbes that are better able to 

rebound against toxicity will grow better and colonize contaminated environments [135]. 

Previous nanotoxicity studies, for example, have shown that bacteria with more robust 
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Gram-positive membranes have a growth advantage over bacteria with thinner Gram-

negative membranes [136]. Differential inhibition, therefore, of microbial communities 

mediating specific environmental processes can lead to an imbalance between various 

reservoirs of carbon and nitrogen as well as impact food webs. Recently researchers 

found that nZnO severely inhibited the efficiency of phosphorous and nitrogen removal 

metabolism in anaerobic reactors suggesting NPs entering wastewater streams may 

impact the efficiency of treatment plants and reduce the ability to treat other 

contaminants [137]. As the KO library represents varying biological sensitivities 

observed in mixed communities, this work suggests that Zn-NPs may cause differential 

shifts in bacterial communities due to differing biological sensitivities. These results 

imply that bacteria with sensitive membranes and limited metal efflux will be most 

affected, while organisms with deficits in their general metabolism may experience more 

subtle inhibition by zinc NPs during early growth and colonization. These results 

contribute to a better understanding of the toxicity mechanisms induced by exposure to 

Zn-NPs, which may be relevant to other metal-containing NPs such as Cu-NPs or Fe-NPs 

as many metalloproteins can bind to other metals with stronger affinities [130].  

3.5. Summary and Prospects  

 Herein, these results demonstrate differences in the bacterial response to two 

types of Zn-NPs versus ZnCl2 bulk material through the utilization of a time resolved 

HTS methodology employing an E. coli genome-wide knockout library. Through the 

extensive use of automation, experiments were executed in a matter of days, which would 

normally take months. Automation was also crucial for acquiring the necessary temporal 

resolution – which in turn was essential for capturing a comprehensive view of nano- and 
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bulk toxicity paradigms. At early time points Zn-NPs and salts elicited responses related 

to general metabolic function, transport, signaling, and metal ion homeostasis while later 

time points evoked responses from membrane synthesis pathways. The presence of 

overlapping pathways related to membrane damage and metal ion homeostasis, suggest 

toxicity is partially related to metal ion release, while the differential sensitivity profiles 

between nanoscale and bulk material suggest potentially novel nanoscale-specific effects 

that warrant further examination. For example, at early time points, bulk ZnCl2 elicited 

responses in pathways related to two-component signaling, while nZnO evoked responses 

in pathways related to monosaccharide biosynthesis. 

The toxicity paradigms in force at early or late time points share little overlap, 

which emphasizes the need to include time resolved measurements in all future nano-

toxicity studies. These results suggest that hazard rankings of nanomaterials will become 

more effective – at least for the widely used zinc-containing nanoparticles examined in 

this study - as a result of the inclusion of time resolved data. Furthermore, 

nanotoxicology assessments will have more predictive power by taking full advantage of 

this added dimension. The inverse is likely to hold true as well: It is obvious that single 

point measurement driven methodologies – even if they rely on genome wide coverage – 

will have limited predictive power. For example, a significant portion of the toxicity 

paradigms in the early phase of the experiments would have been missed with traditional 

single point approaches resulting in an incomplete assessment of the toxicity paradigms 

for a given NP. These efforts will focus on the elucidation of the differential toxicity 

modalities that were observed and high-throughput methodologies will continue to be 

crucial to the execution of this body of work. 
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CHAPTER 4 

PLANKTONIC AND BIOFIM GROWN NITROGEN CYCLING BACTERIA 

EXHIBIT DIFFERENT SUSCEPTIBILITIES TO COPPER NANOPARTICLES 
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4.1. Introduction 

The unique optical, electronic, and chemical properties of engineered 

nanoparticles (NPs), which enable their widespread application, make characterizing their 

potential environmental impacts more pressing. Of these materials, copper-nanoparticles 

(Cu-NPs) and other metal-containing NPs are the most widely used among consumer 

nano-enabled products [20].  Copper-containing nanoparticles have been incorporated 

into antimicrobial agents, cosmetics, alloys, lubricants, electronics, and textiles [2,4]. 

Recently, copper oxide NPs were used in nonwoven polyester fabric to remove indicator 

bacteria from wastewater [138].  The increasing implementation of NPs bolsters concerns 

that their widespread use will invariably lead to their presence in industrial and urban 

runoff.  Recently, a high-resolution electron microscopy assay detected metal-containing 

NPs in final stage sewage sludge, suggesting that current removal technologies do not 

effectively remove NPs and they may persist in environmental waters and soils [139]. In 

the environment, bacteria play a vital role in cycling major elements and transforming 

chemical substances, and are among the most sensitive to influxes of NPs [75].  To limit 

their impact, it is imperative to effectively examine NP toxicity towards microbes that 

drive nutrient cycling processes.  

Recently, the National Academy of Engineering named managing the nitrogen 

cycle as one of the grand engineering challenges of 21st century [15]. Microbes drive 

nitrogen cycling processes and define the available nitrogen species for each 

environment. Biological denitrification, the main driver of nitrous oxide (N2O) in 

temperate grasslands, generates 60% of the total global N2O emissions to the atmosphere 

[140]. Likewise, biologically driven marine N2 fixation accounts for as much as 156 Tg 

N/yr, while marine and fresh water denitrification contribute as much as 79 and 110 Tg 
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N/yr [14]. Because nitrogen cycling bacteria have implications for wastewater treatment, 

agriculture, eutrophication, and N2O generation, determining the most susceptible 

processes to NP toxicity is essential for NP management. NP inhibition of key nitrogen 

cycling organisms could have substantial effects on nitrogen reservoirs. Differential 

sensitivity could result in nitrogen sinks and starve other environments of essential 

nitrogen.  

While previous studies have shown that bacteria responsible for nitrogen fixation, 

ammonium oxidation, and denitrification are generally sensitive to metal-containing NPs, 

it is inconclusive which nitrogen cyclers are most sensitive [60,67,88,141]. Traditionally, 

the EPA maintained that ammonium oxidizing bacteria were the most sensitive nitrogen 

cycling bacteria at wastewater treatment plants [142]. Yang and co-workers showed that 

following exposure to either silver NPs  (Ag-NPs) or CdSe/ZnS quantum dots (QDs), the 

ammonium oxidizing bacterium, Nitrosomonas europaea, was the most sensitive relative 

to pure cultures of nitrogen fixing and denitrifying bacteria [88,98]. However, studies of 

activated sludge found that Cu-NPs and CuO-NPs had no negative effects on ammonia 

and nitrate oxidation [92,93].  Furthermore, Chen and collaborators reported that at low 

concentrations (0.1-10 mg/L), long-term exposure to Cu-NPs resulted in increased total 

nitrogen removal in activated sludge [92]. These differences in sensitivities may be 

observed because of the different growth conditions of the microbes in each study.  

Many toxicity assessment experiments do not accurately reflect exposure 

conditions for bacteria grown in environmental and engineered systems. In many of the 

previous pure culture studies on NP toxicity, bacteria were grown in free living 

planktonic cultures [60,88,98,143]. However, microbes found in wastewaters and soils 
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grow in flocs or biofilms. Within a biofilm, bacterial communities grow attached to solid 

surfaces and secrete a matrix containing proteins and extracellular polysaccharides (EPS) 

that envelope the community [12]. Under these conditions, microbes can display greater 

resistance to environmental stressors because of greater nutrient availability, exchange of 

beneficial genetic information, quorum sensing, or the persistence of different metabolic 

states [144]. Furthermore, microbial biofilms have been employed to help remove metals 

like copper and zinc from waste effluents [145,146]. While studies have not yet examined 

the effect of Cu-NPs on nitrogen cycling bacteria in biofilms, evidence suggests bacteria 

in biofilms will react differently than planktonic cultures. For example, alginate, a 

component of EPS, was protective for planktonic N. europaea cultures exposed to Ag-

NPs [85]. Furthermore, in short term studies of the model bacterium, Escherichia coli, 

researchers found that biofilm grown cells were 4 times more resistant to inhibition by 

Ag-NPs than planktonic cells after a few hours of exposure [13].   

In this study, three laboratory strains of nitrogen cycling bacteria were exposed to 

Cu-NPs under planktonic and biofilm growth conditions to test the hypothesis that 

biofilms better protect microbial growth and nitrogen cycling activities during exposure 

to Cu-NPs. Furthermore, experiments were performed to identify which of the nitrogen 

cycling bacteria tested were most sensitive to Cu-NP inhibition. 

4.2. Materials and Methods  

4.2.1. Particle Characterization 

Copper nanoparticles (Cu-NPs)  (99.9 % pure) of 50 nm nominal size were 

purchased from M. K. Impex Corp (Mississauga, ON, Canada).  To differentiate the 

contribution of Cu2+ ions from potential nanoscale-specific effects to observed toxicity, 
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the ACS reagent CuCl2 (> 99% purity Sigma-Aldrich) was used for comparison.  Prior to 

introduction into assays, fresh working stock suspensions (1000 mg/L as copper) were 

prepared by mixing Cu-NPs into deionized water, followed by sonication in an ultrasonic 

bath for 30 min at maximum power (FS30H, Fisher Scientific, 100 W, 42 kHz). All 

working stocks were stored in the dark, sonicated for 1 min before use, and diluted to 

their final concentration within 3 hr of preparation.  

Copper nanoparticles (Cu-NPs) and copper salts (as CuCl2) were characterized in 

each medium used for cultivating nitrogen cycling bacteria.  To assess the colloidal 

stability in the media, the hydrodynamic diameters of the particles were measured by 

dynamic light scattering (BI 90Plus, Brookhaven Instruments Corp., Holtsville, NY) and 

surface zeta-potentials were computed from measured electrophoretic motilities 

(ZetaPALS, Brookhaven Instruments Corp.).  These measurements were taken at 50 

mg/L as Cu2+ for Cu-NPs. Furthermore, according to U.S. EPA 3050B standard method, 

inductively coupled plasma atomic emission spectrometry (ICP-AES) was used to 

measure total dissolved copper in the exposure medium at 50 mg/L as Cu2+of Cu-NPs 

and CuCl2. Briefly, both copper sources were incubated at 30 °C for 120 hr in all 3 

media.  Every 24 hr, aliquots were centrifuged and filtered through 3 kDa ultrafiltration 

membranes (Amicon Ultra-4 3K, Millipore, Billerica, MA) for 30 min at 2800 x g.  The 

filtrate was digested in 10% HNO3 before measuring total dissolved copper 

concentrations by the Ultima-C combination ICP-AES (Horiba Jobin Yvon).  

Soluble copper speciation in each exposure medium was predicted using the 

PHREEQC (V 3.0) platform in combination with the minteq.v4.dat database. No species 

were added to the original database. Speciation and batch-reaction modeling was based 
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on initial conditions to determine the equilibrium concentrations of each species. 

Speciation was modeled at 50 mg/L as Cu2+ for Cu-NPs as well as CuCl2. Previous 

research with Cu-NPs suggests copper oxide layers form on the surface of Cu-NPs 

exposed to oxygen, so both zero-valent copper and CuO were included in the model 

[147]. Although Cu-NP stocks were stored in the dark at 4°C to prevent oxidation, stocks 

were not stored anaerobically so surface oxidation might have occurred.  

4.2.2. Bacterial Cultures and Incubation Conditions 

Representative laboratory strains of nitrogen cycling bacteria were selected to 

study the impacts of Cu-NPs. Specifically, Azotobacter vinelandii, a diazotrophic Gram-

negative microaerophilic soil bacterium, served as the model nitrogen fixer [98]. 

Nitrosomonas europaea, a Gram-negative obligate chemolithoautotroph that derives 

energy from the oxidation of ammonium was the nitrifying microbe [148]. Finally, the 

anaerobic Paracoccus denitrificans was chosen as the model denitrifying bacterium, 

which can perform both nitrate and nitrite reduction [149]. These strains were selected 

because they have demonstrated the ability to be cultured both planktonically and in 

biofilms [150-152].   A. vinelandii (DSM 2290) and P. denitrificans (DSM 413) were 

obtained commercially from the Leibniz Institute DSMZ – German Collection of 

Microorganisms and Cell Cultures (Braunchschweig, DE). N. europaea was kindly 

provided by Dr. Tyler Radniecki of Oregon State University.  

Each bacterial culture was maintained under appropriate conditions to promote 

the specific nitrogen cycling pathway, and the following growth conditions were used 

prior to Cu-NP exposure. A. vinelandii, was cultured for 48 hr in a Nitrogen-free 

modified Burk’s medium (pH 7.2) of the following composition: 0.16 g KH2PO4, 0.66 g 
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K2HPO4 , 0.20 g MgSO4·7H2O, 0.20 g NaCl, 0.032 g CaSO4 · 2H2O, 1 mL FeSO4·7H2O 

(0.097 M stock), 100 µl Na2MoO4 (0.14 M stock), and 20 g sucrose in 1 L total distilled 

water [153]. N. europaea was cultured in the dark for 96 hr in a minimal Ammonium-

Oxidizing Bacteria (AOB) medium (pH 7.8) containing the following ingredients: 3.3 g 

(NH4)2SO4 , 0.41 g KH2PO4, 5.47 g K2HPO4 , 0.47g NaH2PO4 , 8 mL Na2CO3·H20 (0.5 

M Stock), 0.73 mL MgSO4 (1 M stock), 0.2 mL CaCl2 (1 M stock), 0.33 mL FeSO4 (30 

mM in 50 mM EDTA free acid, pH 8; stock), and 0.013 mL CuSO4 (50 mM stock) in 1 L 

total distilled water [154]. Both A. vinelandii and N. europaea were cultured aerobically 

under constant shaking at 121 rpm. P. denitrificans was cultured anaerobically for 72 hr 

in a minimal medium (pH 7.2) containing the following components: 0.5 g NH4Cl, 0.5g 

MgS04·7H2O, 0.13g CaCl2·H2O, 6.0 g HEPES, 4.9 g sodium acetate, 3.0 g KNO3, 0.04 g 

KH2PO4, 0.12 g K2HPO4, and 1 mL trace metal solution [149]. To maintain anaerobic 

conditions, cultures were grown in butyl-rubber stopper sealed sterile 100 mL serum 

bottles and were flushed with N2 for 10 min to remove oxygen in the headspace as well 

as dissolved oxygen. All 3 nitrogen cycling cultures were incubated at 30°C. 

Prior to each assay, cells were cultured planktonically to exponential phase, then 

resuspended into the same respective media, and cultured as either planktonic cells or 

biofilms. Similar amounts of cells (measured as absorbance at 600 nm) were introduced 

to initiate growth under each growth condition. For planktonic growth conditions, cells 

were grown in 100 mL sterile culture bottles and constantly shaken at 121 rpm to suspend 

cells. For cultures grown in biofilms, cells were inoculated into fresh media in either 96-

well microtiter plates or 50 mL culture vials and placed in stationary incubators to allow 

for cells to grow on fixed surfaces [155]. Prior to toxicity assessments, liquid medium 
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and accompanying residual planktonic cells were removed, and biofilm cells were 

transferred to fresh media. Additionally, to maintain anaerobic conditions, the microwell 

plates were covered with SealPlate® adhesive sealing films (Excel Scientific, Victorville, 

CA).  

4.2.3. Determination of IC50 Values 

The viability of nitrogen cycling bacteria after exposure to Cu-NPs was assessed 

using the CellTiter-Glo® Luminescent Cell Viability Assay (Promega) adapted for use 

with microtiter well plates [97]. This assay uses adenosine triphosphate (ATP) as an 

indicator of active metabolism for living cells. To determine the IC50 concentrations of 

Cu-NPs and CuCl2, cells in mid-exponential growth phase were exposed to a dilution 

series of Cu-NPs (200 mg/L – 0.2 mg/L as Cu2+). All incubations were carried out in 

triplicate, and unexposed controls with no added copper were used.   

ATP content was assessed after 48 hr, because it was within the exponential phase 

of the cells grown planktonically or in biofilms. At 48 hr, cells grown either 

planktonically or as biofilms were isolated, rinsed twice with a phosphate buffered saline 

solution, and resuspended into 100 µl of fresh media in 96-well white microtiter plates 

(Thermo Scientific). Next, 100 µL of CellTiter-Glo® reagent was added to each well and 

plates were incubated for 12 min before luminescence measurements were taken using 

the Glomax multi + detection system plate reader (Promega) with an integration time of 

0.1 s. Measurements were taken in triplicate for each condition. Luminescence data were 

fitted using a non-linear regression dose response model employing a four-parameter 

logistic equation, which was used to calculate the average IC50 values and 95% 

confidence intervals (Prism 4, GraphPad Software, San Diego, CA).  
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4.2.4. Inhibition of Bacterial Growth 

To monitor the impact of Cu-NPs on the planktonic growth of nitrogen cycling 

bacteria, cells were exposed to a range of Cu-NPs and CuCl2, (0 – 100 mg/L as Cu2+), 

and growth was monitored as absorbance at 600 nm. Specifically, 100 µL of a 1:100 

dilution of cultures harvested at exponential phase were introduced into 50 mL of fresh 

media along with a series of Cu-NPs or CuCl2 doses. Cells were incubated for 3 days 

under their respective cultures conditions. Absorbance (OD600) was measured every 18-

24 hr throughout the study period.  

To quantify impacts of Cu-NPs on biofilm development, a crystal violet biofilm 

assay was used, in which crystal violet stained cells attached to fixed surfaces were 

quantified using absorbance at 450 nm (OD450) [155,156]. Pre-cultured mid-exponential 

planktonic cells were introduced at a 1:100 dilution into clear 96-well round bottom 

microtiter plates (Greiner). Cells were exposed to Cu-NPs and CuCl2 at the range 

previously used to assess impacts on planktonic cells in the strain-specific media. 

Cultures were grown at 30°C in a stationary incubator, and assessed every 24 hr for 

biofilm formation over 5 days. At the time of each measurement, the supernatant growth 

medium was removed, the plate wells were washed thrice with phosphate buffered saline 

to remove any residual planktonic cells, then stained using 0.1% crystal violet (cv) for 10 

min. After washing twice with deionized water, the plates were allowed to dry for 1 hr. 

Acetic acid (30% v/v) was used to solublize the cv, and absorbance (OD450) was 

measured using the Promega Glomax® multi+ detection system plate reader (Madison, 

Wi) [155].  Three replicate wells were used obtain each measurement.  

To compare growth characteristics, yield and growth rates were calculated to 

determine how Cu-NPs impacted substrate utilization. Yield measures the total amount of 
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energy that can be obtained from a substrate, while rate is the speed at which generated 

energy is used [157]. The growth rate was measured as slope in the linear range during 

each respective exponential growth phase. Yield was calculated as the single highest 

point throughout stationary growth phase. Growth rates and yield were reported as 

percentages of those measured in unexposed controls to allow for comparison between 

planktonic and biofilm cultures.  

4.2.5. Nitrification and Denitrification Assays  

To quantify the impacts of Cu-NPs to the rates of denitrification and nitrification, 

changes in nitrate levels were monitored. The rate of nitrite production from ammonium 

oxidation and nitrite appearance from nitrate reduction was an indicator for nitrification 

and denitrification activity for N. europaea and P. denitrificans, respectively. Planktonic 

and biofilm grown cells were prepared as previously highlighted and then incubated at 

varying concentrations (0.5-50 mg/L) of Cu-NPs and the control, CuCl2 for 48 hr. 

Concentrations that were both higher and lower than the IC50 values were chosen. Every 

24 hr, nitrite was quantified using a colorimetric assay [148]. In brief, 100 µL aliquots 

from the planktonic and biofilm cultures were centrifuged for 1 min at 7000 g to remove 

cells. Then, 50 mL of supernatant was removed and placed in 100 mL of 1% w/v 

sulfanilamide in 1 M HCl and 25 mL of 0.2% w/v N (1-naphthyl) ethylenediamine 

dihydrochloride in a 96-well round bottom microtiter plate (Greiner). The absorbance at 

540 nm was measured spectrophotometrically using the Glomax® multi+ detection 

system plate reader. Measurements were taken in triplicate from each of the experimental 

duplicates. To compare the impacts on each process, ammonium oxidation and 

denitrification rates were calculated. Rates were calculated from the slope of linear 
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section during each respective exponential growth phase, and reported as a percentage of 

the unexposed control.  

4.2.6. Gene Expression Studies 

Table 4.1. Primers, annealing temperatures, and cycling information for qPCR. Primer 
efficiency and reaction conditions were validated and optimized previously in the listed 
references.   

 

Bacterial 
Strain 

 

 

Gene 

 

Forward 

 

Reverse Anneal. 

T (°C) 

 

Cycle 

 

Ref. 

 

A. vinelandii 16S 
rRNA 

GAGTTTGATCMTGGCTCAG ATTACCGCGGCTGCTGG 56 40 cycles: 95 °C 
(15s), 56 °C (30s), 

70 °C (45s) 

[158] 

A. vinelandii nifH AAAGGYGGWATCGGYAART
CCACCAC 

TTGTTSGCSGCRTACATSGC
CATCAT 59 40 cycles: 95 °C 

(15s), 59 °C (25s), 
72 °C (45s) 

[158] 

N. europaea 16S 
rRNA 

GGCTTCACACGTAATACAAT
GG 

CCTCACCCCAGTCATGCC 55 50 cycles: 95 °C 
(30s), 55 °C (45s), 

72 °C (45s) 

[154] 

N. europaea amoA GGGGTTTCTACTGGTGGT CCCCTCKGSAAAGCCTTCTT
C 60 40 cycles: 95 °C 

(15s), 55 °C (30s), 
72 °C (1 min) 

[159] 

P. 
denitrificans 

16S 
rRNA 

CGTCAGCTCGTGYCG
TGAG 

CGTCRTCCCCRC CTTCC 60 40 cycles: 95 °C 
(15s), 55 °C (30s), 

72 °C (1 min) 

[160] 

P. 
denitrificans 

nirS ATCGAGACCTCGAAG
ATGGA 

CTGCTCGTCGTAGATCATGC 60 40 cycles: 95 °C 
(15s) 60 °C (1 min) 

[161] 

 

 Transcripts of genes related to nitrogen transformation pathways were amplified 

using RT-qPCR on the nucleic acid extracted from Cu-NP exposed cells grown in 

biofilms and planktonic cultures.  Specifically, the expression of the ammonium 

monooxygenase (amoA), nitrogenase (nifH), and nitrite reductase (nirK) genes was 

monitored to examine the effects Cu-NPs on ammonium oxidation, nitrogen fixation, and 

denitrification, respectively. For all treatments, the 16S rRNA gene was used as a 
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housekeeping gene for each organism. The housekeeping gene was used to normalize 

gene expression to small differences in cell volume between each condition.  Specific 

primer sequences are listed in Table 4.1.  

To prepare the cells for gene expression assays, cells grown in planktonic or 

biofilm cultures were exposed to 50 mg/L of Cu-NPs or CuCl2 for 48 hr, and total nucleic 

acids were extracted at 0, 24, and 48 hr by a standard phenol-chloroform extraction 

protocol [162]. In brief, cells were concentrated with centrifugation for 3 min at 13,000 x 

g. After the supernatant was discarded, cells were resuspended in 250 µL of lysis buffer 

(50 mM sodium acetate, 10 mM EDTA; pH 5.1), 100 µL 10% sodium dodecyl sulfate, 

and 1.0 mL pH 8.0 buffer-equilibrated phenol. One gram of 100 µm diameter zirconia-

silica beads (Biospec Products, Bartlesville, OK) were added to the samples, and cells 

were heated to 65 °C for 2 min followed by bead beating for 2 min with a Mini Bead 

Beater (Biospec Products, Bartlesville, OK), incubated for 8 min at 65°C, and bead 

beaten for additional 2 min. Samples were centrifuged for 5 min at 13,000 x g and the 

aqueous lysate was transferred to a new nuclease free microcentrifuge tube. Nucleic acids 

were extracted twice with 1 volume of phenol:chloroform:isoamyl alcohol (25:24:1) and 

once with 1 volume of chloroform:isoamyl alcohol 24:1. Isolated nucleic acids were 

precipitated from solution at -20 °C for 24 hr with the addition of 0.1 volume 3 M sodium 

acetate and 1 volume isopropanol. The precipitate was concentrated by centrifugation at 4 

°C for 30 min at 20,000 x g, washed with 70 % ethanol, and resuspended in 100 µL 

nuclease-free water. The concentration and purity of the DNA and RNA were measured 

using a Nanodrop 2000C Spectrophotometer (Thermo Scientific, Wilmington, DE). 

Extracts were stored at -80 °C until further processing. After DNAse treatment (Turbo 
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DNAse, Ambion), complementary DNA (cDNA) synthesis was performed using M-

MLV Reverse Transcriptase (Invitrogen) according to the manufacturer’s protocol.  

All reactions were performed using the SYBR Green platform in the Applied 

Biosystems StepOnePlus Real-Time PCR System. Primer sequences and thermal cycling 

profiles were optimized previously and are provided in Table 4.1. Expression was 

normalized by the housekeeping gene, 16S rRNA as well as each respective gene’s 

transcripts in the unexposed control using the ΔΔCt method [124]. Triplicate measures 

were taken for each sample, and values were log-transformed to report order of 

magnitude changes. Results were presented as fold increase (FI).   

4.2.7. Statistical Analysis 

To evaluate the statistical significance of Cu-NP and CuCl2 impacts to IC50 

values, growth rates and yields, nitrification and denitrification rates, and gene 

expression, a 2-way ANOVA with a Bonferroni post-test was used (Prism 4). All 

measurements were made in triplicate. P-values less than 0.5 were considered significant. 

Asterisks indicate significance where P < * 0.05, **0.01, and ***0.001.   

4.3. Results and Discussion  

4.3.1. Particle Characterization 

 Colloidal stability and dissolution in each growth medium was assessed to 

determine the particle characteristics of Cu-NPs under exposure conditions.  

Hydrodynamic diameters indicated that upon introduction of 50 mg/L as Cu2+ for Cu-NPs 

to each of the exposure media, Cu-NPs aggregated to sizes above the nanoscale (>100 

nm) despite their reported nominal size of 50 nm (Table 4.2.). Zeta potential 
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measurements demonstrated that Cu-NP aggregates remained relatively stable (> -25 

mV) throughout the time assessed. Previous studies of NP toxicity have also observed 

aggregation in bacterial growth media resulting from ionic strength effects and 

interactions with media components [28].  

Table 4.2. Particle size and stability under different nitrogen cycling conditons. Under each 
growth medium, Cu-NPs aggregated to sizes above the nanoscale (>100 nm). Zeta potential 
measurements suggest Cu-NPs and aggregates remained stable at each condition.   

 Particle Size (nm) Zeta Potential (mV) 
Growth Medium Average Std. dev. Average Std. dev.  

Ammonium 
Oxidation 504.9 120.7 -38.15 0.62 

     
Nitrogen Fixation 363.6 200.5 -38.33 0.78 

     
Denitrification 527.0 122.0 -36.49 2.81 

     
 

Figure 4.1. Total dissolved copper in each medium used to grow nitrogen cycling bacteria. After 
24 hr, values remained constant. The availability of soluble copper was highest in the ammonium 
oxidation medium.  In other media tested, Cu-NPs did not dissolve significantly or released Cu2+ 
ions formed insoluble complexes with media components which were removed by sample 
processing. Error bars indicate standard deviation.	  
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Total dissolved copper from Cu-NPs and CuCl2 in all exposure media increased 

after the initial 24 hr, and then remained in constant equilibrium during the final 120 hr of 

incubation (Figure 4.1.). Cu-NPs had the highest solubility in the ammonium oxidation 

medium (34.8 ± 6.1 mg/L total Cu at 24 hr). Previous research revealed that high levels 

of ammonium in AOB medium increased metal NP dilution through oxidation [163]. In 

contrast, low concentrations of soluble copper were measured in the nitrogen fixation (2.3 

± 0.0 mg/L total Cu at 24 hr) and denitrification (1.1 ± 0.0 mg/L total Cu at 24 hr) 

exposure media. As samples were filtered through a 3kDa filter before ICP 

measurements, results suggest few free soluble copper species were below this cutoff and 

at these conditions Cu-NPs likely formed substantial aggregates or other insoluble copper 

species. Cu-NPs and CuCl2 showed equivalent total copper dilution in ammonium 

oxidation and nitrogen fixation media (Figure 4.1). It was only in the minimal 

denitrification medium that Cu-NPs (1.1 ± 0.0 mg/L total Cu at 120 hr) had lower 

solubility than CuCl2 (4.2 ± 0.0 mg/L total Cu at 120 hr). This may have resulted because 

of copper speciation. PHREEQC modeling indicated that CuCl2 formed complexes with 

acetate in the denitrification medium, while Cu-NPs did not (Table 4.3). Previous studies 

found that NPs bound organic molecules and released more ions because these conditions 

allowed metal-containing NPs to maintain charge or produce surface ligands which 

facilitated ion release [79,84].  
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Table 4.3. Dissolved copper species as determined by PHREEQC modeling.  These 
measurements may explain the solubility of Cu-NPs after introduction into each medium. 
Because an oxide layer may have formed around the particles, Cu-NPs were modeled both as 
zero-valent copper (ZV-Cu) and CuO. The presence of Cu2(OH)2

2+
 and Cu(OH)2 in nitrogen 

fixation and denitrification media may explain poor dissolution because these species have been 
shown to convert to insolube CuO species in water. In contrast, the presence of ZV-Cu or Cu2+, 
CuCO3, CuNH3

2+, and CuSO4 aggree with the high observed dissolution of Cu-NPs in the 
ammonium oxidation medium.  

Bacterial Growth Medium 

  
Ammonium 
Oxidation Nitrogen Fixation Denitrification 

Copper Sources (mg/L as Cu2+) (mg/L as Cu2+) (mg/L as Cu2+) 

Cu-NP ZV-Cu ZV-Cu 49.6 ZV-Cu 49.6 Cu2(OH)2
2+ 15.7 

          Cu(OH)2 11.3 

 CuO Cu2+ 14.4 Cu2(OH)2
2+ 18.2 Cu2(OH)2

2+ 15.7 

  CuCO3 12.1 Cu2+ 6.7 Cu(OH)2 11.3 

  CuNH3
2+ 11.4         

  CuSO4 7.8         

CuCl2  Cu2+ 15.7 Cu2+ 19.8 Cu(Acetate)+ 19.3 

  CuCO3 10.9 Cu2(OH)2
2+ 11.7 Cu(Acetate)2 8.9 

  CuNH3
2+ 10.7     CuNO2

+ 8.0 

  CuSO4 8.5         

 

Speciation and batch-reaction analysis using PHREEQC (V3) was performed to 

determine the soluble copper species for Cu-NPs and CuCl2 in each medium (Table 4.3.). 

Speciation was reported at 50 mg/L as Cu2+ for both copper species and Cu-NPs were 

modeled as both zero-valent Cu (ZV-Cu) and CuO since previous studies have suggested 

the formation of surface oxide layers after exposure to oxygen [147]. Under ammonium 

oxidation conditions, Cu-NPs were expected to be entirely present as zero-valent Cu 

(49.6 mg/L as Cu2+). However, if surface oxide layers formed, Cu-NPs showed similar 
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speciation to CuCl2 with the majority of the species present as Cu2+, CuCO3, Cu(NH4)2+, 

or CuSO4. In either case, these data agree with measured concentrations of total dissolved 

copper, which suggested that Cu-NPs experienced high total copper dissolution in the 

ammonium oxidation medium. In the denitrification medium, however, Cu-NPs appeared 

to be transformed to either Cu2(OH)2
2+ or Cu(OH)2 in the presence or absence of a 

surface oxide layer. Studies have shown that Cu(OH)2 has reacted with water and slowly 

converted back into a more stable CuO, which precipitated out of solution [164]. As there 

was little total copper dissolution measured, reversion back to CuO likely occurred, 

which might explain the absence of soluble copper after filtration of the denitrification 

medium. Similar speciation was observed under nitrogen fixation conditions in the 

presence of surface oxidation. As low dissolution was also observed for Cu-NPs under 

nitrogen fixation and denitrification conditions, the surface oxide layer may play a larger 

role for the interaction of Cu-NPs in those conditions.  As a result, less Cu-NPs may have 

been present as soluble copper complexes. 

4.3.2. Determination of IC50 Values 

IC50 concentrations were measured to compare differences in general metabolism 

in planktonic and biofilm grown cells after 48 hr of exposure to Cu-NPs. For P. 

denitrificans exposed to Cu-NPs, IC50 values were not significantly different between 

planktonic and biofilm grown cells (Figure 4.2.). Similarly for A. vinelandii, Cu-NPs 

IC50s were higher for biofilms (13.8 ± 8.5 mg/L), but not statistically different from 

planktonic growth (3.5 ± 0.6 mg/L) (P > 0.05). CuCl2 exposed planktonic and biofilm 

grown A. vinelandii and P. denitrificans were also not significantly different (P > 0.05).  

Although differences were expected, similar IC50s may have resulted because A. 
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vinelandii and P. denitrificans were assayed in late exponential phase. Previous research 

with the model bacterium Pseudomonas aeruginosa exposed to macroscale copper and 

zinc metal salts showed that minimum inhibitory concentrations (MIC) for biofilm grown 

cells were 25-fold higher than planktonic cells at 2 hr of exposure, but nearly equivalent 

at 27 hr of exposure, which was during late exponential to stationary phase [11]. 

Additionally, similar research with planktonic E. coli exposed to Zn-NPs demonstrated 

values like IC50 were time dependent [59]. The late assessment of the IC50s, which 

allowed all nitrogen cycling bacteria to be compared across all conditions, might have 

missed differences in the faster growing bacteria.    

 

Figure 4.2. The IC50 values for nitrogen cycling bacteria in planktonic and biofilm cultures 
following exposure to Cu-NPs and CuCl2. For N. europaea biofilm cultures exposed to Cu-NPs, 
IC50 values were significantly lower (19.6 ± 15.3 mg/L) than planktonic cells (49.0 ± 8.0 mg/L). 
This suggests that under biofilms, N. europaea may be more susceptable to metabolic depletion 
than planktonic cells. Despite being higher, A. vinlandii IC50 values were not significantly 
different between biofilm and planktonic cultures. No significant differences between growth 
conditions were observed for P. denitrificans IC50 values. Asterisks denote that biofilm values 
were significantly different from planktonic values (P < 0.05). Error bars indicate 95% 
confidence intervals.  

For N. europaea, IC50 values were significantly lower for biofilms (19.6 ± 15.3 

mg/L) than planktonic cells (49.0 ± 8.0 mg/L) exposed to Cu-NPs (P < 0.05). This 

suggests that biofilms of N. europaea may be more susceptible to energy depletion than 

planktonic cells.  Under biofilm conditions, some cells enter metabolically dormant states 
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or programmed cell death in order to protect the biofilm from stress [144]. In either case, 

reducing metabolically active cells results in substantially less total energy production as 

a whole. Therefore, when Cu-NPs induced toxicity to N. europaea biofilms with similar 

initial biomass (estimated as OD600), some cells were likely dead which was reflected in 

lower IC50 in ATP-based measurements.  

Interestingly, N. europaea also showed the highest IC50 values of the 3 bacteria 

tested at all conditions. Previous research of NP toxicity had identified ammonium 

oxidizing bacteria as the most sensitive to Ag-NPs and CdSe quantum dots [88,98]. 

These studies, however, used turbidity and whole cell counts as the basis of inhibition 

rather than ATP or energy based metrics. Of the 3 strains tested in this study, N. 

europaea displayed the most anemic and sluggish growth as confirmed by ATP 

measurements in the unexposed controls, which were 1 to 2 orders of magnitude lower 

than either A. vinelandii or P. denitrificans. Slower growing bacteria have been found to 

be more resilient to some antibiotics as a result of their lower overall rates of metabolism 

[165]. Comparable mechanisms may explain the higher IC50 rates observed for N. 

europaea. Research suggests excess Cu2+ ions released from Cu-NPs may damage newly 

generated enzymes, proteins, and membranes [166]. N. europaea may have had higher 

IC50 values because there were less susceptible new macromolecules, which were less 

sensitive to Cu2+ ion damage.  

Alternatively, the reduced toxicity may have resulted because of the copper 

speciation in the N. europaea growth medium. Cu-NPs had the highest copper dissolution 

in the AOB medium, but PHREEQC modeling suggested that the majority of the copper 

species were present as uncharged ZV-Cu. In contrast, lower IC50 values were observed 
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under the denitrification and nitrogen fixation conditions, where charged species like 

Cu2(OH)2
+ were more likely to be formed from Cu-NPs. In general, charged species are 

more chemically reactive and might have resulted in higher toxicity of Cu-NPs towards 

A. vinelandii and P. denitrificans in their respective media.  

4.3.3. Inhibition of Bacterial Growth 

Cu-NP derived growth inhibition for planktonic and biofilm grown bacteria was 

measured to explore alterations to substrate utilization used toward biomass generation 

(yield) and the respective speed of this process (growth rate). While IC50 values measured 

the amount of energy (ATP) generated, growth inhibition demonstrated how energy was 

utilized. For each of the bacterial strains, exposure to Cu-NPs did not delay the lag phase, 

but only impacted the yield and growth rate for planktonic and biofilm grown cells 

(Figure 4.3 & 4.4). Figure 4.5 shows the impacts on relative yields and growth rates for 

cells exposed to 20 mg/L of Cu-NPs as Cu2+
. These observed trends were generally 

representative of all other concentrations of Cu-NPs and CuCl2 exposed cells.   
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Figure 4.3. Growth characteristics of nitrogen cycling pure cultures in the presence of 
various concetrations of Cu-NPs. Inhibition to growth rate and yield were dose dependant. In 
order to compare between changes to growth characteristics among bacteria, these values were 
converted to relative growth rate and yield in Figure 4.5.  Error bars signify standard deviation. 
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Figure 4.4. Growth characteristics of nitrogen cycling pure cultures in the presence of 
various concetrations of CuCl2. Inhibition to growth rate and yield were dose dependant. In order 
to compare between changes to growth characteristics among bacteria and growth conditions, 
these values were converted to relative growth rate and yield in Figure 4.5. Error bars signify 
standard deviation.  
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Figure 4.5. The impacts to bacterial growth and yield relative to an unexposed control 
following exposure to Cu-NPs. Biofilms of N. europaea and P. denitrificans were more 
protective against Cu-NP inhibition of growth rate and yield as compared to the unexposed 
control.  In contrast, relative growth rates and biomass yields were more inhibited in A. vinelandii 
biofilms relative to planktonic cells. Asterisks denote that biofilm values were significantly 
different from planktonic values (P < 0.05). Error bars indicate standard deviation.  

 

Cu-NP induced growth inhibition relative to the unexposed control was reduced 

for N. europaea and P. denitrificans grown in biofilms as compared to planktonic growth. 

While relative yield of N. europaea was nearly equivalent  (~77%) at either condition, 

relative growth rates were less impacted for biofilms (100.0 ± 30.0 %) when compared to 

planktonic cells (47.7 ± 7.5 %).  Additionally, biofilms of P. denitrificans showed 

reduced inhibition to its relative growth rate (5.2 ± 2.9 %) and relative yield (9.2 ± 0.5 %) 

compared to planktonic relative growth rate (0.0 ± 0.0 %) and yield (0.1 ± 0.1 %). 

Several reasons have been proposed to explain the limited impacts of foreign substances 

and enhanced overall viability of cells in biofilms. Extracellular polymeric substances 

(EPS) have long been shown to be important for contributing to resistance in biofilms and 

when added to the growth media have been shown to protect against Ag-NPs introduced 

to planktonic cells [85,167].  Furthermore, bacterial cells grown in communities are 
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better able to exchange nutrients among themselves, persist in different metabolic states, 

and use quorum sensing to coordinate responses to foreign substances among cells 

[12,168]. Specific to NPs, short term toxicity studies of Ag-NPs to E. coli suggest that 

biofilms may have reduced NP toxicity by aggregation and metal ion reduction [13]. 

Thus in this study biofilms imbued protective effects against Cu-NPs for N. europaea and 

P. denitrificans, and must be considered in the evaluation of NP interactions.  

Although IC50 values for N. europaea showed that biofilm-grown cells were more 

sensitive as indicated by ATP depletion, their yield was not similarly impacted.  

Measured relative growth rates were less reduced in biofilms as compared to planktonic 

cells, but IC50 values based on metabolism were lower in biofilms. As previously 

described, in the face of stress, some cells within the biofilm may enter metabolically 

inactive states [144]. Dead cells would result in lower net ATP production and 

metabolism. Taken together these results suggest that upon exposure to Cu-NPs, the 

inactivation of some N. europaea cells allowed for continued growth of the biofilm as a 

whole. Furthermore, the biofilm assay quantified all attached cells regardless of their 

viability and some dead cells might have been erroneously measured.    

In contrast to P. denitrificans and N. europaea, biofilm grown A. vinelandii cells 

exposed to Cu-NPs did not receive the same benefits to the two growth parameters. A. 

vinelandii biofilms exposed to Cu-NPs experienced greater reductions to growth rate (3.6 

± 1.3 %) and yield (7.0 ± 0.6 %) when compared to planktonic growth rate (46.9 ± 3.3 %) 

and yield (39.7 ± 5.5 %).  Biofilm formation is a complex process. Individual cells 

become attached cells, which form microcolonies that secrete EPS to form biofilms [12]. 
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Of the 3 cultures tested, A. vinelandii had the highest final biofilm yield (OD450: ~0.80) 

(Figure 4.3 & 4.5). Therefore, this culture had higher energetic and growth barriers 

before it could become a robust biofilm. Under the conditions tested, the A. vinelandii 

biofilm may have been under developed in the presence of Cu-NPs, which was then 

unable to reap the benefits of reduced bioavailability of toxicants in biofilms. It has been 

previously reported that metal-containing NPs can be useful for medical applications that 

inhibit cell growth and prevent biofilm formation [169]. Similar inhibition mechanisms 

may have impeded the formation of biofilm for A. vinelandii. For example, research has 

shown that in early biofilms, cells detach because of nutrient limitation [170]. Under Cu-

NP stress, A. vinelandii cells may have not been able to obtain sufficient nutrients and 

readily detached resulting in biofilm growth reduction.   

4.3.4. Ammonium Oxidation 

 

Figure 4.6.  Cu-NP and CuCl2 impacts to ammonium oxidation in N. europaea in planktonic 
and biofilm cultures.  Rates were normalized to unexposed controls.  Compared to the planktonic 
cultures exposed to 10 mg/L of Cu-NPs, Biofilms displayed decreased inhibition of ammonium 
oxidation activity. The protective effects from biofilms, however, did not extend to Cu-NP or 
CuCl2 concentrations above 10 mg/L. Asterisks denote that biofilm values were significantly 
different from planktonic values (P < 0.05). Error bars indicate standard deviation. 
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Cu-NP impacts to nitrification were measured to determine if the impacts on 

growth of N. europaea biofilms were also reflected in ammonium oxidation to nitrite. 

Indeed, biofilms exposed to 10 mg/L of Cu-NPs showed significantly lower inhibition to 

ammonium oxidation rates (100 ± 0.0 %) as compared to planktonic cells (78.3 ± 5.5 %) 

(P < 0.001) (Figure 4.6.). However, at concentrations greater than 10 mg/L, both biofilm 

and planktonic cells displayed low rates of ammonium oxidation relative to unexposed 

controls. As cells grown in biofilms also had reduced inhibition to growth rates after 

exposure to Cu-NPs, minimal inhibition to ammonium oxidation rates was likely as 

ammonium oxidation is the primary energy generating reaction for this bacterium [148]. 

However, for cells exposed to CuCl2, greater relative ammonium rates were not observed 

over the range tested. IC50 values and growth data indicated CuCl2 was more toxic than 

Cu-NPs. Therefore toxicity from CuCl2 may have been too high to observe a difference 

between growth conditions.  

These results imply that Cu-NPs were less toxic than copper salts to biofilms. 

DLS measurements suggest that Cu-NPs aggregated within the medium. Aggregated NPs 

have less surface area to release toxic metal ions, which contrasts to metal salts, which 

entered into the media as readily soluble metal ions. Indeed, particle aggregation of Ag-

NPs was implicated as the protective mechanism in toxicity assessments to E. coli 

biofilms [13]. Alternatively, NPs have been shown to acquire coatings from media 

components like phosphates, which can also prevent the release of toxic ions [9]. In any 

case, these results agree with research of Cu-NP toxicity to activated sludge, which have 

comparable properties to biofilms, that showed similar results in which Cu-NPs were not 

as toxic than copper salts [50].   Ammonium oxidizing bacteria populations were nearly 
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equal in activated sludge incubated with 10 mg/L of Cu-NP and unexposed controls after 

11 days of exposure. In contrast, populations of ammonium oxidizing bacteria were 

nearly a magnitude lower after exposure to CuCl2. Together, these results agree that 

biofilms were more resilient to exposure to Cu-NPs than CuCl2.  

 4.3.5. Nitrate Reduction 

 

Figure 4.7.  Cu-NP and CuCl2 impacts on nitrate reduction in P. denitrificans in planktonic 
and biofilms cultures.  The rates were normalized to unexposed controls.  Biofilms were 
protective against Cu-NPs and CuCl2.  At 0.5 mg/L of Cu-NPs, relative to the unexposed control 
nitrate reduction rates were nearly 8 times lower in planktonic cultures (1.5 ± 0.1 %) than in 
biofilm cultures  (11.9 ± 1.5 %). Asterisks denote that biofilm values were significantly different 
from planktonic values (P < 0.05) . Error bars indicate standard deviation. 

 Nitrate reduction was measured in P. denitrificans to determine whether reduced 

impacts to relative growth by biofilm grown cells exposed to Cu-NPs corresponded to 

minimal impacts to relative nitrate reduction activity as compared to planktonic cultures. 

After normalized to the unexposed controls, biofilm grown cells exposed to Cu-NPs or 

CuCl2 showed reduced inhibition of nitrate reduction compared to planktonic cells. 

Specifically at 0.5 mg/L of Cu-NPs, relative nitrate reduction rates were nearly 8 times 

lower in planktonic cultures (1.5 ± 0.1 %) than in biofilm cultures  (11.9 ± 1.5 %) (P < 
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0.001) (Figure 4.7). Similarly at 0.5 mg/L of CuCl2, relative nitrate rates showed greater 

inhibition in planktonic cultures (0.2 ± 0.1 %) than in biofilms (4.6 ± 2.0 %). At ≥1 mg/L, 

nitrate reduction was not detected in either Cu-NP or CuCl2 exposed cells, and therefore 

no differences in rates could be assessed. The reduced relative nitrate reduction was 

congruent with previous data showing enhanced relative growth rate and yield for biofilm 

grown P. denitrificans exposed to Cu-NPs. Cells, therefore, may have been more robust 

because of enhanced relative denitrification and growth. Alternatively, the presence of 

different microenvironments within the biofilm may allow for increased resistance to Cu-

NPs. Research with denitrifying biofilms models found that the higher pH environments 

within the biofilm interior promoted conditions that precipitate metals like copper [171]. 

Precipitated Cu-NPs would not be dissolved in the solution thereby unable to interact 

with cells. Furthermore, these data suggest that biofilms can protect nitrogen cycling rates 

from Cu-NPs. 

Under the conditions tested in this study, denitrifying bacteria were more sensitive 

to Cu-NPs than ammonium oxidizing bacteria. In planktonic and biofilm cells, nearly 

complete inhibition of denitrification was observed at 1 mg/L, while complete inhibition 

was not observed until 50 mg/L of Cu-NPs for nitrification. This is consistent with 

previous research on wastewater derived mixed communities, which found that 

denitrifying bacteria (IC50: 0.95 mg/L) were more sensitive than nitrifying bacteria (IC50: 

26.5 mg/L) to copper chloride [172]. Our data does, however, disagree with previous 

research which showed N. europaea was more sensitive than the denitrifying bacterium 

Pseudomonas stutzeri to Ag-NPs and CdSe/CdZnS QDs [88,98]. These discrepancies 

may exist for a number of reasons. First, the use of P. stutzeri may have complicated 
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toxicity assessments to metal-containing NPs as it has been reported to exhibit significant 

resistance to heavy metals like arsenic, cadmium, and lead [173]. Furthermore, in these 

studies physical nitrogen transformation was not also assessed and P. stutzeri appeared to 

be grown aerobically under heterotrophic growth. In our experiments denitrifying P. 

denitrificans was cultured anaerobically, while the ammonium oxidizing N. europaea 

was cultured aerobically. Anaerobic conditions have been shown to make bacteria 

generally more susceptible to NP toxicity. In previous research examining CdSe/CdZnS 

QDs, P. stutzeri was significantly more sensitive under anaerobic denitrifying conditions 

then when cultured aerobically [141]. The study suggested that decreased resilience 

might have been related to reduced energy harvesting under anaerobic conditions.  

 Additionally, copper displays different toxicity mechanisms under aerobic and 

anaerobic conditions. Under aerobic conditions, copper catalyzes the production of 

reactive oxygen species (ROS) linked to lipid peroxidation and protein damage, however, 

under anaerobic environments, copper can be substantially more toxic through attacking 

intracellular iron-sulfur centers of essential enzymes [65]. In the study first proposing this 

mechanism, E. coli cells under anaerobic conditions were 32 times more sensitive to 

copper ions than under aerobic conditions [174]. Additionally, in the study of P. stutzeri 

exposed to CdSe/CdZnS QDs, ROS were only detected during the less toxic aerobic 

exposure, suggesting ROS generation was not the most substantial toxicity mechanism 

for these metal-containing NPs [141].   
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4.3.6. Gene Expression Studies 

 

Figure 4.8. Relative expression of functional genes following exposure to 50 mg/L of Cu-
NPs or CuCl2.  Expression was normalized to the unexposed controls and time 0 for each 
bacterial strain and growth condition.  For nifH, amoA, and nirK, the expression of functional 
genes at 24 hr was greater in the biofilm grown cells than planktonic cells. This trend continued 
for nifH and nirK at 48 hr but not for amoA. Asterisks denote that biofilm values were 
significantly different from planktonic values (P < 0.05) . Error bars indicate standard deviation. 
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The impact of Cu-NPs on the transcription of genes related to nitrogen 

transformation pathways in cells grown in biofilm and planktonic cultures was evaluated 

to examine changes at the nucleic acid level. Specifically these measurements were taken 

to determine the congruence between the physical measurements of growth and nitrogen 

transformation with gene expression. Log expression was normalized to the unexposed 

cells and the control 16S rRNA gene [124] (Figure 4.8).  In general, planktonic cells 

showed lower functional gene expression than biofilms of each culture (P < 0.05).  

 Biofilm grown cells showed nearly 2.5 fold greater expression of nifH gene, 

which codes for nitrogen reductase subunit, at 24 hr (Biofilm: 1.52 ± 0.08 FI vs. 

Planktonic: 0.62 ± 0.02 FI) and 3 fold greater gene expression at 48 hr (Biofilm: 0.33 ± 

0.01 FI vs. Planktonic: 0.11 ± 0.12 FI) after exposure to Cu-NPs. Similarly for nitrite 

reduction, after exposure to Cu-NPs expression of the nirK gene in biofilm grown cells 

was greater at both 24 hr (Biofilm: 1.01 ± 0.04 FI vs. Planktonic: 0.62 ± 0.00 FI) and 48 

hr (Biofilm: 1.02 ± 0.00 FI vs. Planktonic: 0.15 ± 0.13 FI). Interestingly, biofilm grown 

N. europaea only showed increased expression at 24 hr (Biofilm: 2.33 ± 0.07 FI vs. 

Planktonic: 0.22 ± 0.08 FI), which may reflect the slowing metabolism at later growth 

stages. As ATP and growth data highlight, N. europaea had the most sluggish growth and 

might not be substantially active to be measured.  Overall, these data support 

physiological measurements of nitrogen cycling rates and suggest growth in biofilms was 

protective for nitrogen cycling bacteria. As both physical and genetic measurements 

agreed in this study, it is attractive to use functional genes as biomarkers to assay the 

impacts of NPs to nitrogen cycling communities as has been applied for other NPs [175]. 

In natural environments like lakes, soils, or wetlands, it is difficult to track nitrogen 
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cycling activity with whole cell measures or monitoring nitrogen fluxes because of non-

culturable organisms and interference from biogeochemical constituents. These results 

demonstrate the advantages of monitoring nitrogen cycling genes in complex 

environments to decrease the need to take physical measurements in assaying NP 

toxicity.  

4.4. Conclusions  

This study using multiple lines of evidence suggests that biofilm-grown cells were 

more resilient to Cu-NPs than planktonic cells under sub-lethal exposure conditions. The 

impacts to relative growth rates and yields of N. europaea and P. denitrificans after 

exposure to Cu-NPs were lower. Similarly, biofilm-grown cells showed lower impacts to 

ammonium oxidation and denitrification activities in the presence of Cu-NPs as shown by 

quantification of nitrate transformation and functional gene expression.  While the exact 

mechanism for biofilm protection against Cu-NPs was beyond the scope of the present 

study, the production of EPS, enhanced nutrient exchange, and persistence of different 

metabolic states could all have contributed [12,85,167]. In general, these data suggest that 

previous investigations of NP dose-response using planktonic cells overestimated the 

impacts of toxicity. Therefore, regulatory standards and applications of NPs for the 

environment must consider bacterial growth mode when evaluating appropriate NP 

concentrations. For example, Cu-NPs used against membrane fouling in a water 

treatment plant would require higher doses than those used for controlling suspended 

bacteria in water reservoirs.  

 These data also suggest that nitrate reduction was more sensitive to Cu-NPs than 

nitrogen fixation or ammonium oxidation. Of the three strains tested, the bacterium, P. 
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denitrificans, displayed the lowest ATP-based IC50 concentrations as well as the lowest 

concentrations needed to fully inhibit nitrate reduction under both planktonic and biofilm 

conditions. As this sensitivity was attributed to anaerobic conditions, anaerobic sludge at 

wastewater treatment plants and sediments in wetlands and soils may be more sensitive to 

Cu-NP inhibition. Given previous reports of sludge being the final reservoir for NPs 

entering wastewater treatment systems, addressing Cu-NP concentrations may be 

imperative for protecting anaerobic sludge digestion in the treatment train [50].  

Similarly, Cu-NPs may cause problems for anaerobic methane production in digesters. 
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CHAPTER 5 

DIFFERENTIAL SENSITIVITY OF WETLAND DERIVED NITROGEN 

CYCLING MICROORGANISM TO COPPER NANOPARTICLES 
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5.1. Introduction   

Copper nanoparticles (Cu-NPs) and other engineered metal-containing 

nanoparticles (NPs) comprise the largest class of consumer and industrial nano-enabled 

products [20].  Because of their growing application as anti-microbial coatings, 

electronics, textiles, cosmetics, wood additives, and ceramics, their likelihood of entering 

into the environment through urban and industrial runoff is certain [68]. NPs have been 

shown to impact the microbial composition of various environments suggesting they have 

the potential to alter microbially-driven processes like carbon, phosphorous, and nitrogen 

cycling [92,102,176]. NP driven microbial inhibition may create nutrient sinks through 

inhibiting the ability of cornerstone microorganisms to transform and augment essential 

nutrients. Therefore, characterizing NP interactions with nutrient cycling microbes is 

essential for understanding their potential impacts to environmental health. 

Studying nitrogen cycling microorganisms, the primary drivers of nitrogen 

transformation, is important because their respective cycles are heavily impacted by 

human activities. Some studies indicate that anthropogenic nitrogen use could increase 

nitrous oxide and reactive nitrogen emissions by 70% by 2050 [177].  In response, the 

National Academy of Engineering named managing the nitrogen cycle as one of the 

grand engineering challenges of the 21st century, highlighting the staggering nitrogen 

imbalances plaguing the environment [15]. Therefore, understanding nitrogen cycling 

microbial sensitivities to NPs is necessary to protect an already impaired cycle. 

Differential sensitivities of nitrogen cycling microbes to Cu-NPs may hinder nitrogen 

speciation. In wastewater-derived sludge, for example, nitrifying microbes were less 

sensitive (IC50 26.5 mg/L) than denitrifying microbes (IC50 0.95 mg/L) to copper salts 
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based on physiological assessments of nitrogen transformation [172]. Furthermore, Cu-

NPs entering the environment have implications for the nitrifying and denitrifying 

communities that shape wetland nitrogen loads and nitrogen fixing bacteria in 

agricultural soils that control rhizospheric processes and soil fertility. Identifying 

sensitive branches of the nitrogen cycle helps to generate proactive NP management 

strategies.   

Previous research into the impacts of NPs to nitrogen cycling microorganisms 

mainly focused on pure cultures, so their impacts to environmental microbial 

communities have not been adequately explored [60,88,98,143,178]. Within mixed 

microbial communities, microorganisms grow differently from pure cultures because of 

mechanisms such as synergistic growth, functional redundancy, and the exchange of 

nutrients and fortuitous novel gene variants [90]. The few studies examining NP 

interactions with mixed microbial communities have focused exclusively on wastewater 

systems and wastewater-derived microcosms [50,70,91].   

Currently, wetlands stand as glaring omissions from NP research into their 

ramifications to environmentally relevant microorganisms. Wetlands serve as important 

model systems for studying nitrogen cycling microbes, and play an essential role in 

balancing nitrogen in environmental waters. In rural and less developed areas, natural or 

constructed wetlands act as cost effective alternatives to more advanced wastewater 

treatment systems by removing excess nitrogen through nitrification and denitrification 

[179,180]. For example, biological denitrification and nitrification rates in wetland soils 

as high as 56.1 and 21.6 mg N kg-1 h-1 have been recorded, respectively [16]. 

Furthermore, wetlands play an important role in nitrogen uptake through nitrogen 
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fixation. Estimates for wetlands in the Florida everglades suggest certain areas have 

nitrogen fixation rates greater than 100 mg m-2 d-1 [181]. It is, therefore, critical to 

understand how NPs might differentially affect wetland nitrogen cycling microorganisms.   

Previous studies characterizing microbial shifts resulting from NPs and other 

foreign substances have yielded differing results depending on the assay. Terminal 

restriction fragment length polymorphism (T-RFLP) analysis of 16S rRNA genes was 

used to examine the microbial populations in field microcosms after the application of 

Ag-NP-contaminated biosolids [176]. This method, however, tends to oversimplify data 

as closely related species can produce the same signal, which homogenizes subtle 

differences [182]. Another study used the more complex methods of Biolog® 

EcoplatesTM and 454 pyrosequencing to examine the effects of Cu- and ZnO-NPs on 

agricultural soil microcosms [102]. Biolog® EcoplatesTM are of limited applicability 

because they rely on culture-based methods to characterize changes to physiological 

abilities of microorganisms, which misses non-culturable organisms. 454 

Pyrosequencing, while culture independent, can be problematic because as a sequencing 

assay, it suffers from limited read lengths and high variation within samples [103].  For 

these reasons, the high throughput GeoChip microarray platform was employed for this 

study. It has been effective for quantifying microbial shifts caused by varying stressors in 

different natural environments such mangrove lagoons, temperate grasslands, and 

contaminated oil fields [183-185]. The GeoChip functional gene microarrays allow for a 

wide suite of environmentally relevant processes to be assayed simultaneously with high 

repeatability [186].  
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This study describes the first assessment of differential sensitivities to Cu-NPs 

among nitrogen cycling microorganisms derived from wetland ecosystems. Specific 

objectives included determining the most sensitive branch of the nitrogen cycle to Cu-NP 

stress using the GeoChip microarray platform. Furthermore, microbial community 

composition was assessed at 10 and 100 days of exposure to differentiate the effects of 

acute and chronic toxicity as previous studies suggest NP toxicity can vary with exposure 

time [17,59].  

5.2. Materials and Methods 

5.2.1. Nanoparticles  

Copper nanoparticles  (99.9 % pure) of 50 nm nominal size were obtained 

commercially from M. K. Impex Corp (Mississauga, ON, Canada).  To assess the 

contribution of Cu2+ ions to observed toxicity, CuCl2 (>99% purity) salt was used in 

parallel experiments.  Prior to introduction into microcosms, fresh copper stock 

suspensions (1000 mg/L as Cu2+) were prepared by mixing Cu-NPs into deionized water, 

followed by sonication in an ultrasonic bath for 30 min at maximum power (FS30H, 

Fisher Scientific, 100 W, 42 kHz). All stocks were sonicated for 1 min before use, and 

diluted to their final concentration within 3 hr of preparation.  

The stability of Cu-NPs and CuCl2 was characterized in the exposure medium, 

which was a 1:1 blend of a basal salt growth solution and the sample slurry collected 

from the Malibu lagoon [187]. To assess the colloidal stability in the medium, the 

hydrodynamic diameters of the particles were measured by dynamic light scattering (BI 

90Plus, Brookhaven Instruments Corp., Holtsville, NY) and surface zeta-potentials were 
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computed from measured electrophoretic motilities (ZetaPALS, Brookhaven Instruments 

Corp).  These measurements were also taken at 100 mg/L as Cu2+ for Cu-NPs 

immediately after introduction into the medium. To eliminate the impact of live 

biological material on DLS measurements, the microcosm blend was autoclaved prior to 

particle size and charge assessment.  

5.2.2. Microcosm Conditions 

Microcosm seed water and sediment samples were obtained from the Malibu 

Lagoon (34.0333° N, 118.6792 °W) in the Malibu Lagoon State Beach in Malibu, CA. 

Although, recent interventions have been taken to reduce contamination from urban 

runoff, the lagoon and accompanying beach have a history of elevated nutrient levels and 

fecal indicator bacteria [188]. As a result, naturalized microbial populations might have 

had previous exposure and resistance to metals and other antimicrobials from 

anthropogenic inputs.  Samples were collected in August 2013 prior to sunrise to reduce 

UV induced mortality of endemic organisms. Water and sediment samples were extracted 

from the surface water through the water column down to 0.3 m into the sediment. Water 

and sediments samples were placed immediately on ice before transport back to the 

laboratory, where they were stored at 4 °C, and used within 6 hr of sampling. Samples 

did not contain significant levels of ammonium, nitrate, or nitrite (< 2 mg/L).   

Prior to introduction to microcosms, water and sediment were homogenized by 

manual shaking and mixing to generate a slurry. Specifically, samples were shaken 

vigorously for 2 min to suspend sediment microorganisms into the water column, and 

then the slurry was allowed to sit for 1 min to allow larger particles of sediment, 

vegetation, and macroscopic organisms to settle out. This method has been applied 
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previously to suspend bacteria in beach sediment [189]. For each microcosm, 25 mL of 

slurry was mixed with 25 ml of the Basal Salt solution in butyl-rubber stopper sealed 

sterile 100 mL serum bottles [187]. The basal salt solution (pH 8) had the following 

composition: 0.01 g potassium phosphate dibasic, 0.30 g ammonium chloride, 0.1 g 

magnesium chloride hexahydrate, 0.11 g calcium chloride dihydrate, 0.05 g magnesium 

sulfate, 1.1 g potassium nitrate, 0.26 g Cysteine-HCl-monohydrate, and 0.002 L sodium 

lactate (60% w/w) dissolved in 1 L of deionized water. The pH values of the final 

microcosms were not manipulated before incubation, but assumed to be similar because 

of the homogeneity of the lagoon water and basal salt solution. Research with wastewater 

found that the dominant fate for NPs was sedimentation and accumulation in the sludge 

[190]. This suggests NPs will likely also sediment in wetland soils near the water-soil 

interface.  As wetland soils generally have low oxygen because of poor drainage and the 

presence of water in soil pores, samples were flushed with N2 for 10 min to reduce 

oxygen [16]. The microcosms were incubated at 30°C in a stationary incubator for 10 

days prior to introduction of either Cu-NPs or CuCl2 to allow for growth of nitrogen 

cycling microorganisms. 

Microcosms were exposed to Cu-NPs or CuCl2, each at a concentration of 100 

mg/L as copper and incubated for 100 days. Every 10 days, microcosms were flushed 

with N2, and amended with sucrose (25 g/L) and nitrate (44 g/L) to replenish carbon and 

nitrogen, respectively. Additions of carbon or nitrogen were from concentrated stocks, 

and did not change the final volume of the microcosms by more than 10% throughout the 

experiment. Triplicate sacrificial samples were collected from each microcosm at 0, 10, 

and 100 days to study the effects of acute (10 days) and chronic (100 days) exposure to 
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Cu-NPs. The start date of introduction of Cu-NPs and CuCl2 was designated as day 0, not 

the day that the microcosms were started (-10 days).  Additional microcosms were also 

exposed to a lower concentration of both Cu-NPs and CuCl2 (50 mg/L as Cu2+).  While 

both sets displayed similar trends, the data were more significant for 100 mg/L so only 

the higher concentrations were analyzed further due to the cost constraints of the 

GeoChip microarray platform. 

5.2.3. Sample Processing 

At every sampling interval, each 50 mL replicate was centrifuged at 7,000 g for 8 

min to collect biomass and sediment. Supernatants were filtered through a 0.2 µm filter, 

and then analyzed for water quality parameters. Conductivity and pH were measured 

using the Orion Star meter (Thermo Scientific). Ammonium, nitrate, and nitrite were 

measured using the HACH (Loveland, CO, USA) colorimetric testing kits and Ion 

Chromatography in the Professional IC Vario system (Metrohm, FL, USA). Chemical 

Oxygen Demand was measured using the CHEMetrics COD testing kits following the 

manufactures instructions (Midland, VA, USA).  Inductively coupled plasma atomic 

emission spectrometry (ICP-AES) was used to analyze total soluble copper and iron 

according to U.S. EPA 3050B standard method. Aliquots were centrifuged and filtered 

through 3 kDa ultra-filtration membranes (Amicon Ultra-4 3K, Millipore, Billerica, MA) 

for 30 min at 2800 x g.  The filtrate was digested in HNO3 before measuring total 

dissolved copper concentrations by the Ultima-C combination ICP-AES (Horiba Jobin 

Yvon). 

Genomic DNA was extracted from the pellet using the MoBio Powersoil 

Extraction kit  (Carlsbad, CA) following the manufacturer’s instructions. DNA quantity 
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and quality was measured using the NanoDrop 2000c spectrophotometer (NanoDrop 

Technologies Inc., Wilmington, DE).  Only sample DNA with A260/A280 and A260/A230 

ratios >1.7 and >1.8, respectively, were used for further analysis. DNA samples were 

stored at -80°C until use.  

5.2.4. DNA Microarray Hybridization, Scanning, and Data Processing 

GeoChip 5.0 was used for DNA hybridization and relative quantification of 

functional microbial populations. The GeoChip arrays are functional gene microarrays 

that contain probes for key genes related to various microbially driven processes, such as 

nitrogen, carbon, phosphorous, and sulfur cycling [191,192]. GeoChip 5.0 contains a total 

of 167,149 probes for genes involved in core biogeochemical cycles (C, N, S, and P), 

degradation of various contaminants, metal homeostasis, antibiotic resistance, stress 

response as well as viral and protist genes and other categories.  

DNA (800 ng) from each sample was mixed with 5.5 µL of random primers (Life 

Technologies, random hexamers, 3 µg/µL), brought to 35 µL with nuclease-free water, 

heated to 99°C for 5 min, and immediately placed on ice. The labeling master mix {15 µl 

[2.5 µl of dNTP (5 mM dAGC-TP, 2.5 mM dTTP), 0.5 µl of Cy-3 dUTP (25 nM; GE 

Healthcare), 1 µl of Klenow (imer; San Diego, CA; 40 U mL-1), 5 µL Klenow buffer, 2.5 

µl of water]} was added and the samples were incubated at 37°C for 6 h in a 

thermocycler and then at 95°C for 3 min to inactivate the enzyme. After the addition of 

Cy3, samples were protected from the light as much as possible. Labeled DNA was 

cleaned using a QIAquick purification kit (Qiagen) per the manufacturer’s instructions 

and then dried down in a SpeedVac (45°C, 45 min; ThermoSavant). 
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Labeled DNA was rehydrated with 27.5 µL DI water and then hybridization 

solution was added [99.4 µL; 63.5 µL 2X Hi-RPM hybridization buffer (Agilent), 12.7 

µL pre-prepared 10X CGH blocking agent (Agilent), 12.7 µL formamide, 5.5 µL Cot-1 

DNA, common oligo reference standard [193]], mixed well, spun to collect liquid in 

bottom of tube, and incubated at 95°C for 5 min.  Tubes were incubated at 37°C for 30 

min.  Gasket slides were placed into a SureHyb chamber, the samples (120 µL) were 

loaded onto the gasket slide, each microarray was placed on top (array side down) and the 

chamber hand was tightened to create a seal.  The chamber was placed in a 

rotator/incubator.  Samples were hybridized for 20-22 hr at 67°C in the presence of 10% 

formamide. 

After hybridization, slides were disassembled in room temperature with Wash 

Buffer 1 (Agilent), incubated at room temperature for 5 min in fresh Wash Buffer 1 at 

200 rpm, at 37°C in Wash Buffer (Agilent) for 1 min at 140 rpm, and then spun dry.  

GeoChips were imaged (NimbleGen MS 200 microarray scanner) as a Multi-TIFF.  The 

data was then extracted using the Agilent Feature Extraction program.  Extracted data 

was then loaded onto the GeoChip data analysis pipeline (ieg.ou.edu/microarray/). 

Data normalization and quality filtering were performed with multiple steps 

[193]. First, the average signal intensity of the CORS was calculated for each array, and 

the maximum average value was applied to normalize the signal intensity of samples in 

each array.  Second, the sum of the signal intensity of samples was calculated for each 

array, and the maximum sum value was applied to normalize the signal intensity of all 

spots in an array, which produced a normalized value for each spot in each array.  Spots 

were scored as positive and retained if the signal-to-noise ratio [SNR = (signal mean – 
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background mean)/background standard deviation] was ≥ 2.0*, and the coefficient of 

variation (CV) of the background was < 0.8.  In addition, spots with signal intensity less 

than 1,000 were discarded.  Spots that were detected in less than two samples were also 

removed.  Before statistical analysis, the signals of all spots were transferred into relative 

abundances. All GeoChip sample processing was performed at the Institute for 

Environmental Genomics at The University of Oklahoma.  All raw data are available at 

the institute’s website (http://ieg.ou.edu/4download/). 

5.2.5. Statistical Analysis  

Functional gene diversity was characterized using Shannon-Weiner’s H’ diversity 

index [186]. Principal component analysis (PCA) was used for comparing the different 

functional gene communities at each condition to characterize differences in overall 

structure between groups [191]. Both functional gene diversity analysis and PCA were 

performed using the vegan package in R 2.9.1 (www.R-project.org). Statistical 

differences between environmental parameters, functional gene diversity, and relative 

signal intensities of functional microbial communities were analyzed using analysis of 

variance (ANOVA) with a Bonferonni post-test. A significance levels of P < 0.05 was 

adopted for all comparisons. Hypothesis testing was performed in GraphPad Prism 4.0 

(La Jolla, CA). 

 

 

 



	  
	  

116	  

5.3. Results 

5.3.1. Colloidal Stability 

Table 5.1. Colloidal stability of Cu-NPs in the microcosm medium.   Hydrodynamic 
diameters and zeta potentials indicate that the particles were stable, but aggregated above the 
nanoscale (>100 nm) in the microcosm medium. Values are presented for 100 mg/L suspension 
of Cu-NPs in the microcosm medium.  

 Particle Size (nm) Zeta Size (mV) 

Conc. (mg/L) Average Std. dev. Average Std. dev. 

100 769.2 91.7 -30.01 10 

 

Although Cu-NPs were reported to be 50 nm by the manufacturer, Cu-NPs 

produced aggregates above the nanoscale range (>100 nm) upon introduction into the 

microcosm medium (Table 5.1.). As conductivities were relatively high (~ 14-16 mS/cm) 

and natural organic matter was likely present in the water from the Malibu lagoon, 

particle aggregation was predicted. Zeta potential measurements confirmed the stability 

of the particles in the medium (-30.01 mV).  

5.3.2. Water Quality Characteristics 

Water quality characteristics were measured to determine if Cu-NPs and CuCl2 

exposure could alter the biogeochemistry of nitrogen cycling environments, which might 

suggest potential impacts to microbial communities.  The water quality measurements are 

summarized in Table 5.2.  
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Table 5.2. Environmental parameters for microcosms.  Only NO2
- and NO3

-, were 
significantly different from the unexposed controls, and all other variables remained constant. 
Measurements are listed as the average and standard deviation of triplicates. Asterisks indicate 
significance levels where (*) P < 0.05, (**) P < 0.01, and (***) P < 0.001.    

 
Time pH Cond COD NO2

- NO3
- NH4

+ Total Fe Total Cu 

(d)  (mS/cm) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) (mg/L) 

Control 

0 8.2 ± 0.1 4.7 ± 0.2 292.8 ± 
143.1 

10.8 ± 
18.2 

296.4 ± 
30.5 

79.2 ± 
10.3 

0.3 ± 0.0 0.0 ± 0.0 

10 7.8 ± 0.2 16.2 ± 
3.7 

364.1 ± 
38.1 

0.1 ± 0.0 1.1 ± 0.2 92.2 ± 
23.1 

0.1 ± 0.1 0.1 ± 0.0 

100 8.4 ± 0.0 17.3 ± 
0.7 

616.4 ± 
177.3 

316.4 ± 
238.3 

324.7 ± 
85.0 

129.1 ± 
63.7 

0.1 ± 0.0 0.0 ± 0.0 

Cu-NP 

0 8.2 ± 0.0 14.5 ± 
0.3 

421.3 ± 
128.0 

3.0 ± 4.6 262.0 ± 
24.4 

61.1 ± 
4.3 

0.3 ± 0.0 2.8 ± 4.5 

10 7.7 ± 0.2 15.0 ± 
0.7 

381.0 ± 
25.6 

2.7 ± 4.3 21.1 ± 
9.0* 

95.6 ± 
24.5 

0.2 ± 0.0 0.5 ± 0.3 

100 8.3 ± 0.1 17.1 ± 
0.7 

199.0 ± 
98.2 

105.1 ± 
181.2 

280.7 ± 
134.8 

63.0 ± 
10.4 

0.8 ± 0.1 0.2 ± 0.2 

CuCl2 

0 7.9 ± 0.0 14.7 ± 
0.2 

463.5 ± 
176.3 

6.0 ± 5.9 303.4 ± 
22.2 

64.9 ± 
11.5 

0.3 ± 0.1 8.3 ± 6.7 

10 7.7 ± 0.1 14.8 ± 
0.3 

308.1 ± 
21.6 

67.0 ± 
19.2* 

28.7 ± 
8.6* 

73.0 ± 
11.2 

0.1 ± 0.1 0.1 ± 0.1 

100 8.3 ± 0.0 16.7 ± 
0.3 

379.6 ± 
152.7 

189.0 ± 
159.4 

289.3 ± 
80.7 

80.7 ± 
32.2 

0.1 ± 0.0 0.5 ± 0.4 

 

In general pH, conductivity, and COD did not vary significantly among copper 

sources or in the unexposed control throughout the 100 days. Similarly, in regards to 

ammonium concentrations, no significant differences were observed between the 

unexposed control and either copper source (Figure 5.1.). Changes, however, were 
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observed for nitrate and nitrite levels. The dotted line “added nitrate” represents the 

cumulative amount of nitrate added at that time. As 350 mg/L of nitrate was added every 

10 days, results suggest that added nitrogen did not fully accumulate in either condition 

over the 100-day incubation period. At 10 days, microcosms exposed to copper NPs and 

salts showed significantly more nitrate (Cu-NP: 21.1 ± 9.0 and CuCl2: 28.7 ± 8.6 mg/L) 

compared the unexposed condition (1.1 ± 0.2 mg/L) suggesting that both copper sources 

inhibited nitrogen transformation (P < 0.05). Differential levels of nitrate among 

unexposed and copper exposed microcosms, however, were not observed at 100 days 

suggesting that any inhibition was not sustained after long-term exposure. Nitrite levels 

were significantly higher after 10 days for CuCl2 exposed microcosms (67.0 ± 19.2 

mg/L) (P < 0.05). They were also higher for Cu-NP exposed microcosms, but not 

statistically significant. These data suggest that Cu-NPs were less toxic than CuCl2 

towards nitrite reduction in the short term. After 100 days, however, neither copper 

exposed microcosm was significantly different from the unexposed control (Figure 5.1.). 

 

Figure 5.1. Concentrations of various nitrogen species during microcosm incubations. Only 
nitrate and nitrite levels were significantly higher at 10 days for Cu-NP and CuCl2 exposed 
microcosms. After 100 days, however, nitrate and nitrite were not different from the control. 
Ammonium levels did not change over the assessment period. Experimental conditions were 
performed in triplicate and asterisks indicate significance levels where (*) P < 0.05, (**) P < 0.01, 
and (***) P < 0.001.   Error bars represent standard deviation. 
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Figure 5.2. Total dissolved concentrations of copper and iron.  Minimal dilution was 
observed for 100 mg/L of Cu-NPs or CuCl2 added to microcosms. After day 0, there was no 
increase in total dissolved copper. Total dissolved iron showed no change over the 100-day 
incubation period. Experimental conditions were performed in triplicate and asterisks indicate 
significance levels where (*) P < 0.05, (**) P < 0.01, and (***) P < 0.001.   Error bars represent 
standard deviation. 

Interestingly, despite the introduction of 100 mg/L of total copper as either Cu-

NPs or CuCl2, dissolved total copper did not significantly increase throughout the 100 

days (Figure 5.2.). Initially at day 0, there was minimal dissolution of copper from Cu-

NPs (2.8 ± 4.5 mg/L) and CuCl2 (8.3 ± 6.7 mg/L), but there was no significant increase in 

dilution after 100 days. In fact, the amount of total dissolved copper decreased after the 

initial day 0. The slightly elevated levels of dissolved copper observed for CuCl2 may 

explain significantly higher concentrations of nitrite at day 10 that was not observed for 

Cu-NP exposed microcosms. Regardless, the low values observed overall for dissolved 

copper suggests that copper ions rapidly bound other dissolved species or rapid 

aggregation did not allow for substantial release of copper ions from Cu-NPs or CuCl2. 

Indeed, wetland microcosms displayed on average relatively high conductivity (15.71 ± 

1.16 mS/cm) and likely contained high levels of natural organic matter like fulvic and 

humic acids and other chelators. As excess copper might affect the dissolution of other 

metals, the biologically essential metal iron (Fe) was also tracked. However, no 
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significant changes were observed for total dissolved Fe over 100 days of incubation, 

which reflect the low total dissolved copper values (Figure 5.2.).     

5.3.3. Overall Community Structure 

To understand the differences in microbe functional diversity and structure, the 

number of detected gene probes and Shannon-Weiner’s H’ diversity index were used to 

quantify differences between probes detected by the GeoChip platform. In total, 64,732 

gene variants were detected out of a total of 167,149 possible. Previous GeoChip studies 

of nutrient rich environments like mangrove lagoons have also detected similarly high 

gene numbers and diversity [183].  The number of gene variants detected between the 

conditions tested in this study varied from 32,000 to 60,000 (Table 5.3.). Although there 

were initial differences in probe number at 0 days, this did not represent changes 

resulting from the introduction of either copper metal. Instead the small differences in 

microcosms during the incubation (10 day pre culture) prior to adding copper likely 

contributed to varying initial values. Furthermore despite these initial differences, 

environmental parameters were not statistically different for either experimental 

condition at 0 days, suggesting that microcosms were not altered substantially. The probe 

number of the unexposed control increased with time, while the probe number of CuCl2-

treated microcosms decreased with time. Statistical analysis revealed that relative to 

controls, probe number of the CuCl2 exposed microcosms were significantly lower at 100 

days and were 45.4 % lower than the control  (P < 0.05). Although the Cu-NP-treated 

microcosms conditions slightly increased with time, probe number from these conditions 

did not exceed the unexposed control. In fact, Cu-NPs microcosms had significantly 
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lower probe number at both 10 and 100 days and at 100 days, showed 21.7 % lower 

probe number than the unexposed control. 

Values obtained for the Shannon Diversity Index showed a similar trend with 

gene probe number among conditions and values varied between 9.30 – 9.80 (Table 

5.3.). Although more pronounced changes were expected after prolonged copper 

exposure, the values obtained in this study reflected only subtle changes to microbial 

diversity. For example, previous diversity estimations by the Geochip platform reported 

Shannon Diversity Index values of 4-6 for a highly varied set of contaminated oil fields 

[185]. Similar to the probe number variations, initial differences between conditions (0 

days) in diversity were likely attributed to small differences related to pre-culture rather 

than immediate differences resulting from metal exposure. Over time, however, 

compared to the control, CuCl2 microcosms were significantly lower at 100 days, while 

Cu-NP microcosms displayed significantly less microbial diversity at both 10 and 100 

days. Overall, data show that while Cu-NP exposed microcosms had lower probe number 

and diversity at both incubation times relative to the control, CuCl2 microcosms were 

significantly lower than all conditions at 100 days of exposure. In general, this suggests 

that Cu-NPs had less impact than an equivalent dose of CuCl2 added to microcosms. This 

decrease in severity mirrors the environmental parameters data, which shows that both 

nitrate and nitrite levels were low at 10 days for CuCl2 exposed microcosms, while only 

nitrate was lower for Cu-NP microcosms.   
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Table 5.3.  Probe number and diversity index for the microcosm treatments.  Both probe number 
and diversity were lower than the unexposed control for Cu-NP exposed microcosms at 10 and 
100 days. Shannon diversity in CuCl2 exposed microcosms was only lower at 100 days, but 
significantly lower than both Cu-NP and the unexposed control. Experimental conditions were 
performed in triplicate and asterisks indicate significance levels where (*) P < 0.05, (**) P < 0.01, 
and (***) P < 0.001.  Error bars represent standard deviation. 

 Control Cu-NP CuCl2 

Day 0 10 100 0 10 100 0 10 100 

Probe # 4.8x104 

± 

1.1x103 

4.8x104 

± 

1.6x103 

5.8x104 

± 

1.6x103 

3.5x104   

± 

6.6x102

*** 

3.8x104   

± 

6.9x102

*** 

4.6x104   

± 

7.2x102

*** 

5.5x104 

± 

2.8x103

* 

4.9x104 

± 

7.1x102 

3.5x104  

± 

1.8x104

*** 

Diversity 9.72  ± 

0.03 

9.72 ± 

0.04 

9.79 ± 

0.01 

9.36 ± 

0.01*** 

9.45 ± 

0.05** 

9.50 ± 

0.02*** 

9.77 ± 

0.02 

9.65 ± 

0.04 

9.31 ± 

0.01*** 

 

Shannon Diversity Index showed a similar trend with gene number (Figure 5.3.). 

Cu-NP microcosms displayed significantly less microbial diversity at 10 and 100 days, 

while CuCl2 microcosms were only significantly lower at 100 days. Overall, data show 

that while Cu-NP exposed microcosms had lower probe number and diversity at both 

incubation times relative to the control, CuCl2 microcosms were significantly lower than 

all conditions at 100 days of exposure. In general this suggests that Cu-NPs had less 

impact than equivalent doses of CuCl2 initially added to microcosms. This decrease in 

severity mirrors the environmental parameters data, which shows that nitrate and nitrite 

levels were low at 10 days for CuCl2 exposed microcosms, while only nitrate was lower 

for Cu-NP microcosms.   
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PCA was used to characterize overall structural differences for each microcosm 

condition (Figure 5.3.). PCA 1 describes 50.3% of the variance observed in the data, 

while PCA 2 accounts for 16.6%. These data suggest that acute (10 day) exposure to 

copper did not strongly change microcosm structure as both Cu-NPs (Cu-NP 0 and Cu-

NP10) and CuCl2 (CuCl2 0 and CuCl2 10) grouped together in the same quadrant. For this 

early time point, Cu-NP exposed microcosms were grouped closer together than CuCl2 

exposed microcosms. This reinforces other results indicating that Cu-NPs were less 

disruptive than CuCl2, which may be related to the higher initial dilution of CuCl2. In 

contrast to the acute exposure, 100 day microcosms show much more distinct structures, 

as all 100-day microcosms were in different quadrants than their respective 0 and 10 day 

microcosms. Shifts in the control between 0 to 100 days were expected, as microcosm 

structure was not likely to remain static after 100 days of incubation in a laboratory. 

Regardless, both Cu-NP and CuCl2 exposed microcosms at 100 days (Cu-NP100 and 

CuCl2 100) were grouped together in a completely different quadrant than the control at 

100 days. This suggests that acute exposure did not change community structure as 

dramatically as chronic exposure to Cu-NPs or CuCl2. 

Despite the initial impacts to diversity, after chronic exposure (100 days), both 

Cu-NP and CuCl2 exposed microcosms had similar structure (same quadrant), suggesting 

that chronic toxicity from either was subject to shared toxicity mechanisms. This was also 

supported by the fact that after 100 days of incubation, neither microcosm displayed 

significant concentrations of dissolved copper. Regardless, data show that while Cu-NPs 

and CuCl2 elevated nitrate and nitrite concentrations at 10 days relative to the unexposed 

control, it was only after 100 days that microbial ecology was more substantially altered. 
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These structural changes may reflect the successful growth of more metal-resistant 

microorganisms and the inhibition or loss of metal-sensitive microorganisms.  

 

Figure 5.3. Principal component analysis (PCA) of overall probe distribution. Compared to 
earlier times, 100-day microcosms were more widely distributed among each condition 
suggesting that chronic exposure had a greater effect on microbial ecology than acute exposure 
(10 day). Specifically for each condition, the 10-day microcosms were in the same quadrant as 
the 0-day microcosm, while the 100-day microcosms were in different ones. 

5.3.4. Functional Gene Categories 

Functional gene categories for biogeochemical/metabolic processes were 

examined to understand which types of functional genes were selected for upon exposure 

to Cu-NPs and CuCl2 (Figure 5.4.). Nitrogen cycling genes comprise 2.9 % of the probes 

on the GeoChip.  Of the total genes probes detected at all conditions in this study, 2794 

were related to nitrogen cycling (4.3%), indicating a nearly 1.5 fold increase in 

representation in the detected probes (4.3 vs. 2.9 %). The increase in nitrogen cycling 

genes highlights the ability of the culture conditions to enhance growth of nitrogen 
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cycling microorganisms. In addition, other gene probes related to metabolism and cycling 

of elements like carbon, phosphorus, and sulfur were detected as well as probes related to 

environmental responses like metal homeostasis, stress, and virulence genes. As the seed 

cultures were derived from a lagoon impacted by urban runoff, the presence of these 

stress genes is not surprising. These results suggest that anthropogenic inputs from runoff 

may have shaped the initial seed samples inoculated into the microcosms.   

 

Figure 5.4. Functional distribution of total probes detected.  Significant diversity of the 
probes was detected overall. 

In order to understand changes to gene probe number among each functional 

group, relative signal intensities were used to quantify changes resulting from exposure to 

Cu-NPs and CuCl2. Absolute numbers may only signify the presence or absence of a 

particular probe sequence, while relative signal intensities can indicate the abundance. To 

calculate relative signal intensities, average total signal intensity for each category were 

first divided by the average total probe number, then normalized by each condition at 

time 0. For the purposes of this study, only the categories of metal homeostasis, nitrogen 
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cycling, and electron transfer were examined (Figure 5.5.).  Metal homeostasis for all 

metal related genes, including copper specific genes, showed no net increases or 

decreases. Exposure to elevated metal concentrations relative to the control might have 

simultaneously selected for decreased metal importing genes and increased metal 

exporting genes. This would make overall shifts in metal homeostasis genes difficult to 

quantify and likely resulted in shifts appearing neutral.  The nitrogen cycling genes’ 

relative signal intensity, however, was significantly lower (P < 0.05) in Cu-NPs exposed 

microcosms at short-term as well as long-term incubations, but not for the CuCl2 exposed 

cells. Specifically, compared to the control, Cu-NP microcosms showed decreases in net 

relative signal intensity of 8.0 ± 3.9% at 10 days and 9.0 ± 2.2 % at 100 days. This 

suggests that any nitrogen cycling genes that were impacted early on did not substantially 

recover over time. Genes coding for electron transfer were significantly lower for both 

Cu-NP and CuCl2 exposed microcosms (P < 0.05). Compared to the control, Cu-NPs 

exposed microcosms showed decreases of 19.9 ± 1.5 % at 10 days and 27.6 ± 0.3 % at 

100 days in relative signal intensity.  As electron transfer genes are indicators of overall 

metabolism, this suggests that regardless of the source, either as Cu-NP or salt, excess 

copper might affect overall growth. Furthermore, relative signal intensities appeared 

more pronounced for Cu-NPs compared to CuCl2. This may result because the overall 

probe number and diversity were lower, and nitrate and nitrite concentrations were more 

impacted for CuCl2 exposed microcosms.  If there was higher overall stress, then 

differential stress to specific microorganisms might be less apparent, making relative 

signal intensities among specific groups less pronounced. 
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Figure 5.5. Relative signal intensity of overall groups.  Data show that metal homeostasis 
genes displayed no net changes to signal, while nitrogen cycling and electron transfer genes show 
significant reduction after exposure to Cu-NPs. Trends for CuCl2 exposed microcosms were not 
as pronounced. Experimental conditions were performed in triplicate and asterisks indicate 
significance levels where (*) P < 0.05, (**) P < 0.01, and (***) P < 0.001.   Error bars represent 
standard deviation.    

5.3.5. Functional Nitrogen Cycling Genes 

 To examine which nitrogen cycling processes were most affected by Cu-NPs and 

CuCl2, probes were further divided into functional nitrogen cycling categories and 

relative signal intensities were examined for anaerobic ammonium oxidation (anammox), 

denitrification, nitrification, and nitrogen fixation related genes (Figure 5.6.). Of these 

probes, the majority related to denitrification (70.8 % [1257]), followed by nitrogen 

fixation (24.1 % [428]), nitrification (4.9% [87]), and anammox (0.2% [4]).  The lower 

presence of anammox and nitrification was not surprising as both classes of 

microorganisms are slow-growing, and may have been outcompeted by faster growing 

organisms [194]. Furthermore, the number of probes for these categories was also lower. 

Gene probes related to anammox, nitrogen fixation, and denitrification showed overall 

net decreases in relative signal intensity, while changes to nitrification related probes 

were not as pronounced. These results are consistent with overall declines in the relative 

signal intensities observed for the nitrogen cycling genes. For anammox related gene 

probes, significant decreases were observed at both times for Cu-NPs as well as CuCl2 
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exposed microcosms. At 100 days, Cu-NPs and CuCl2 microcosms showed 17.1 ± 0.0 

and 22.5 ± 13.4 % lower relative signal intensity compared to the unexposed control.  

Significant reduction in signal was observed for nitrogen fixation genes exposed to Cu-

NPs as nearly similar reductions were observed at 10 days (31.2 ± 2.6 %) and 100 days 

(32.7 ± 0.63 %). Both anammox and nitrogen fixation probes showed more pronounced 

decreases in relative signal intensity compared to denitrification. Denitrification related 

probes displayed moderate reductions in relative signal intensity that were lower for both 

copper sources but only significant for Cu-NPs at 10 days (9.2 ± 4.1 %) and CuCl2 at 100 

days (8.4 ± 4.9 %), respectively. These reductions to relative signal intensity agree with 

the increased levels of nitrate and nitrite observed in the microcosms at 10 days. They do 

not explain the apparent recovery as neither Cu-NP nor CuCl2 relative signal intensities 

returned to day 0 levels. It may be that although signal intensities did not increase, the 

surviving organisms were more robust than those eliminated or inhibited at day 10.  

For nitrification related genes, although decreases in relative signal intensities 

were observed with Cu-NP-exposed conditions, none were significantly different from 

the control. As these organisms are oligotrophic with sluggish growth, it is difficult to say 

if these microorganisms were more robust than the others or had lower overall 

metabolism and probe representation resulting in differences that were not apparent. 

Compared to both denitrification and nitrogen fixing genes, nitrification related genes had 

substantially lower probes detected. Nitrification typically requires significant oxygen for 

activity and as oxygen levels were reduced for microcosms to reflect wetland soils, their 

reduced representation was expected [16].  Overall, these data suggest that 
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microorganisms responsible for anammox and nitrogen fixing processes were more 

sensitive to Cu-NPs than denitrifying bacteria.  

 

Figure 5.6. Relative signal intensity of nitrogen cycling genes. Anammox and nitrogen fixation 
genes were the most effected by Cu-NP and CuCl2. Experimental conditions were performed in 
triplicate and asterisks indicate significance levels where (*) P < 0.05, (**) P < 0.01, and (***) P 
< 0.001. Error bars represent standard deviation. 

 

5.3.6. Bacterial Phylogeny 

To further describe the changes in microbial communities, bacterial phylogeny 

information was used for the identified nitrogen cycling pathways [186]. Figure 5.7. 

shows the phylogeny of microorganisms represented by nitrogen cycling categories. Data 

are shown for 100 days, as PCA suggested that microbial community structure was most 

divergent after 100 days of incubation. Microbial phylogeny data were obtained for 
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probes pertaining to anammox, denitrification, nitrification, and nitrogen fixation through 

the GeoChip data analysis pipeline as previously described [183,186,191]. Only the most 

represented groups were shown, while underrepresented groups were classified as other 

(Figure 5.7.). Generally, no group present in the other category was greater than 2% of 

the overall groups. Only underrepresented groups, which were also present at higher 

concentrations in other functional categories, were excluded from the other category. 

Data are presented as a percentage of the total probes highlighted for each functional 

category.  

For anammox, the only phylum represented was Planctomycetes, which is the 

only phylum known to perform this function [195]. Abundance was the same for the 

unexposed control and Cu-NP exposed microcosms, but was no Planctomycetes probes 

were present for the CuCl2 exposed microcosm.  Although significance testing could not 

be performed because no deviation was observed and the probe number was low, these 

data show very clearly that Planctomycetes were not present for CuCl2. This agrees with 

previous probe abundance data, which revealed CuCl2 to have the fewest probes and 

lowest diversity. Furthermore as there were only 4 probes present relating to anammox, 

its complete disappearance is understandable and hints towards the sensitivity of this 

group of organisms.  

For nitrification, Proteobacteria and Crenarcheota were more abundant than 

Planctomycetes and Thaumarchaeota. Proteobacteria contains many genera responsible 

for nitrification like Nitrosomanas, Nitrosococcus, Nitrosopira, and Nitrobacter, so its 

presence among nitrifying microorganisms was expected [196]. In the Cu-NP exposed 

microcosms, Proteobacteria representation (37.7 ± 1.4%) was significantly lower than 
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the control (44.3 ± 1.8 %) (P < 0.05). In contrast, the archaea Crenarcheaota showed 

significant increases for both Cu-NP (49.3 ± 1.3%) and CuCl2 (53.2 ± 3.1 %) exposed 

microcosms (P < 0.05). Archaea are known to be generally more robust so their selection 

under copper stress reflects this [197]. The archaea Thaumarchaeota was present only in 

the unexposed control but absent from either copper exposed microcosm. Its abundance, 

however, was low in the control (<1%) suggesting its growth was not significant for the 

microcosm system as a whole.  Planctomycetes, as with the anammox organisms, also 

decreased significantly in the CuCl2 exposed microcosms, highlighting the sensitivity of 

this group to copper ions (P <0.05). 

For nitrogen-fixing organisms, Proteobacteria were most represented (~52%) and 

did not change between groups. The group contains both free living Pseudomonas, 

Azospirillum, and Azotobacter and root associated Azoarcus nitrogen fixing bacteria 

[198]. As no vegetation was used in these microcosms, any microorganisms present were 

likely free living. The largest overall increases were observed for Firmicutes which 

significantly increased from 17.6 ± 0.4 % to 19.9 ± 1.1% and 25.3 ± 1.8 % for Cu-NP and 

CuCl2 exposed microcosms, respectively (P <0.05). Significant decreases were also 

observed for Cyanobacteria. For Actinobacteria, significant decreases in abundance were 

only observed for CuCl2 microcosms while Acidobacteria increased to 1.1 ± 0.2 % and 

2.1 ± 0.8% from almost 0% for Cu-NP and CuCl2. Interestingly, Euryarchaeota increased 

slightly for Cu-NPs, but decreased for microcosms exposed to CuCl2. This also may 

reflect the higher bioavailability and toxicity of CuCl2. 
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Figure 5.7. Changes to microcosm phylogeny after 100-day exposure to Cu-NPs and CuCl2.  
Shifts in microbial ecology were less pronounced for denitrifying microorganisms compared to 
those of anammox, nitrification, and nitrogen fixation, which saw greater changes. Experimental 
conditions were performed in triplicate and asterisks indicate significance levels where (*) P < 
0.05, (**) P < 0.01, and (***) P < 0.001.  Error bars represent standard deviation. 
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5.4. Discussion  

As metal-containing NPs will likely enter the environment due to production of 

nano-enabled products at ever increasing rates and volumes, they have the potential to 

transform native microbial community compositions.  Therefore it is important to identify 

sensitive microorganisms and ecological niches [68]. Herein, shifts in the microbial 

ecology of nitrogen cycling microorganisms in wetland-derived microcosms after acute 

(10 day) and chronic (100 day) exposure to Cu-NPs were examined using the GeoChip 

microarray platform.  This report marks the first attempt to characterize the impact of Cu-

NPs on native wetland nitrogen cycling microorganisms.  These results suggest that Cu-

NPs may initially hinder nitrite and nitrate removal after acute exposure but chronic 

exposure may produce changes to microbial ecology, which inhibit a wetland’s ability to 

cycle nitrogen into the system.  

In this study, Cu-NPs and CuCl2 caused short-term inhibition to nitrogen 

transformation in the microcosms, which might reflect acute time-dependent sensitivities 

of denitrifying microorganisms. At 10 days, nitrate and nitrite accumulated in both 

copper exposed microcosms relative to the unexposed controls (Figure 5.1.). The diverse 

functional probe categories detected confuse which nitrogen cycling pathway was 

responsible for the accumulation. However, as probes relating to denitrification were the 

most represented nitrogen function group (70.8%), it was the most likely candidate 

assayed. Indeed, this accumulation mirrored decreased relative signals at 10 days 

observed for nitrogen cycling related probes as a whole and specifically for 

denitrification related genes (Figure 5.5. and Figure 5.6.). Taken together, these data 

suggest acute exposure to Cu-NPs changed nitrogen cycling processes in the microcosms, 
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which imply that sudden influxes of Cu-NPs may initially interrupt denitrification 

activities of wetlands. 

While chronic exposure produced no observed differences among nitrogenous 

species, it is unclear if nitrogen cycling microorganisms recovered from acute toxicity 

from copper added as Cu-NPs or CuCl2. Despite similar nitrogen concentrations at all 

conditions during chronic exposure, nitrate and nitrite were 1 to 2 orders of magnitude 

higher than the concentrations generated at acute exposure for both the control and the 

copper exposed microcosms. These concentrations, however, were lower than the 

cumulative nitrate introduced over 100 days, indicating some residual denitrification 

activity. The rates of nitrogen cycling processes might have slowed, making differences 

to nitrate and nitrite minimal. Alternatively, other microbial processes may have 

outcompeted nitrogen cycling bacteria for available nutrients or generated products that 

slowed their growth. Indeed, probe diversity reveals that microorganisms responsible for 

other pathways such as carbon, phosphorous, and sulfur cycling were present (Figure 

5.4.). Previous studies on constructed wetlands have shown that organic carbon, which 

was supplied to the microcosms, have encouraged heterotrophic denitrification and 

autotrophic nitrification, as well as other nutrient cycling activities [179].  Regardless, the 

absence of different nitrogen levels does not necessarily suggest the rebound of nitrogen 

cycling microbes after 100 days. It does, however, suggest that inhibition of nitrogen 

cycling was more evident for nitrogen speciation in acute exposure as compared to 

chronic.  

GeoChip data, however, suggested that chronic exposure to Cu-NPs and CuCl2 

produced more substantial changes to microbial community structure than acute 
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exposure. Firstly, total detected probes and diversity was lower than the unexposed 

control at 100 days for both copper sources (Table 5.3.). Additionally, PCA analysis 

revealed the Cu-NP and CuCl2-exposed microcosms were substantially divergent from 

the control at 100 days (Table 5.3.). Furthermore, the relative signal intensities of 

functional gene probes related to electron transport and overall nitrogen cycling as well 

as the specific processes anammox and nitrogen fixation decreased throughout the 

exposure period for Cu-NP exposed microcosms (Figure 5.5. and Figure 5.6.). Together, 

these results suggest that Cu-NPs and CuCl2 caused initial changes to nitrogen cycling 

processes, which resulted in long-term shifts to microbial populations.  

Despite similar inhibition to nitrogen transformation and decreases to nitrogen 

cycling functional genes, Cu-NPs appeared to be less toxic than an equivalent dose of 

CuCl2. CuCl2 caused a larger reduction to final overall probe number and probe diversity 

and greater divergence in PCA analysis relative to Cu-NPs (Table 5.3. and Figure 5.3.). 

Previous studies have also found CuCl2 to be more toxic than Cu-NPs in complex mixed 

communities. In studies with Cu-NPs in activated sludge, Ganesh and co-workers found 

55% inhibition of respiration from ionic copper, but no inhibition for an equivalent dose 

of Cu-NPs [50]. This difference might result from copper availability. ICP-AES 

measurements showed slightly higher initial total dissolved copper in CuCl2 exposed 

microcosms as compared to Cu-NPs (Figure 5.2.). This might result from particle 

aggregation or the formation of large insoluble complexes as hydrodynamic diameters 

revealed Cu-NPs aggregated and became micron-sized in microcosms (Table 5.1.). 

Studies of NP colloid stability suggest that aggregation is the likely result of NP entering 

into natural waters with high amounts of natural organic matter [34]. In the aggregated 
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form, less surface area is available for ion exchange and interaction with microorganisms 

[199]. The reduced dissolution may have reduced toxicity.  

Interestingly, Cu-NPs still elicited toxicity in spite of NP aggregation and minimal 

copper dilution, which refutes studies suggesting the primary mechanism for metal-

containing NP toxicity is ion release (Table 5.1. and Figure 5.2.). For example, in studies 

with ZnO-NPs to the bacterium, Bacillus subtilis, humic, fulvic, or alginic acid added to 

the growth media bound available ions and substantially reduced NP toxicity [7]. 

Additionally, in a study of copper-contaminated soils, increasing copper concentrations 

was a primary factor for decreased diversity [200]. Others have shown that NPs may still 

pose a hazard to microorganisms through Cu-NP biosorption, uptake, and redissolution 

[3]. Previous research with Au-NPs and human cells, found that NPs present as either 

monodispersed NPs or aggregates had similar potential for entering cells, and toxicity 

was not related to the dispersion of the NPs [82].  This may be particularly problematic, 

as some NP tolerant bacteria have been shown to bioaccumulate and carry NP aggregates 

to new intracellular locations. Studies with the bacteria Psuedomonas aeruginosa, found 

the bacteria increased from 1.4 to 1.9 µm from biosorption of TiO2 aggregates [201].  In 

any case, changes to nitrogen levels and probe diversity, reductions to signal intensities 

of various functional genes, and shifts to different microorganisms were still observed in 

the presence of Cu-NPs in this study, suggesting these aforementioned mechanisms were 

important for defining toxicity in the microcosms. Furthermore, in wetland environments 

or other ecosystems where aggregation is likely, biosorption and uptake may be more 

important for defining toxicity than the initial metal ions released into the environment. 
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This suggests that NP trapped in sediments away from cells may be less problematic than 

those near the soil-water interface.  

In relation to the identified nitrogen cycling pathways, results suggest that 

anammox organisms were among the most sensitive to both Cu-NPs and CuCl2.  

Anammox microorganisms, which are responsible for the anoxic oxidation of ammonium 

by nitrite to produce nitrogen gas, have been isolated from anoxic oceans, lagoons, and 

wastewater treatment plants [195,202].  In both Cu-NP and CuCl2 exposed microcosms, 

relative signal intensity was low at either time (Figure 5.6.). Additionally after chronic 

exposure, CuCl2 exposed microcosms completely removed Planctomycetes, the phylum 

containing anammox microorganisms (Figure 5.7.). The high sensitivity of anammox 

microorganisms to Cu-NPs is not surprising. Anammox microbes have been difficult to 

culture and have low growth rates with doubling times of nearly 12 days [203]. This was 

confirmed by the minimal presence of anammox probes (4) throughout the microcosms. 

As signal intensity also decreased in the control, this suggests that incubation conditions 

did not support the growth of anammox organisms in the microcosms. Added stress from 

Cu-NPs and CuCl2 may have only sped up their eventual decline in the system. 

Additionally, Cu-NPs significantly impacted nitrogen-fixing microbes in the 

microcosms.  For nitrogen fixation, relative signal intensity decreased significantly 

throughout exposure, which likely reflected the changes to various phyla observed after 

chronic exposure (Figure 5.6. and Figure 5.7.). The shifts in phyla in the microcosms 

reflected the greater sensitivity of nitrogen fixing microbes to Cu-NPs. Although 

Proteobacter remained stable, significant decreases were observed for Cyanobacteria and 

Actinobacteria reflecting the overall declines to this pathway. Interestingly, increases 
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were observed for Firmicutes and Acidobacteria. The increase in Firmicutes may result 

because these bacteria form robust endospores, which makes them able to survive harsh 

environments [204]. If driven to endospore formation by Cu-NPs stress, Firmicutes 

would be metabolically dormant so nitrogen fixation would not occur.  Additionally, 

increases in Acidobacteria might have resulted because of innate copper resilience. In a 

study of soils contaminated for 85 years with CuSO4, Acidobacteria were found to be 

highly enriched [200].  

Regardless of which phylum was selected among nitrogen fixers, sensitivity to 

Cu-NPs as a whole may have resulted because of metabolic constraints. The reduction of 

dinitrogen to ammonium is energetically taxing. Previous estimates have found that as 

much as 17 g of carbohydrates are needed to produce 1 g of dinitrogen [205]. 

Furthermore, hydrogen production has been found to be a by-product of nitrogen fixation, 

which can further limit this process energetically [206].  As a result of the high metabolic 

requirements for growth, nitrogen fixers may have been less able to respond to Cu-NP 

stress. Alternatively, Cu-NPs and the release of excess copper may block the metabolism 

of iron, which can limit nitrogen fixers. Estimates in the nitrogen fixing cyanobacterium 

Crocosphaera watsonii showed 17 fold reduction to nitrogen fixing rates in the absence 

of iron [207]. Any of these mechanisms might have contributed to the sensitivity of 

nitrogen fixing microorganisms and explain the reductions observed in the microcosms.  

In contrast to anammox and nitrogen fixing microorganisms, Cu-NP responses in 

nitrifying bacteria were not as pronounced. Minimal decreases to relative signal intensity 

were observed for nitrifying microorganisms, but diversity analysis showed significant 

alterations to nitrifying phyla in Cu-NP and CuCl2 exposed microcosms (Figure 5.6 and 
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Figure 5.7.). Specifically, declines in microbial groups were observed for Proteobacter, 

Thaumachaeota, and Planctomycetes. This agrees with previous research with TiO2-NPs, 

which reported significant declines to ammonium-oxidizing bacteria in activated sludge 

relative to other bacteria [208]. In this study the susceptibility of nitrifying microbes were 

related to their autotrophic metabolism, slow growth rates, and sensitivity to foreign 

substances. This may explain nitrifying microbes limited growth in Cu-NP exposed 

microcosms.  Despite these decreases, however, the archaea Crenarcheaota, 

extremophiles responsible for oxidizing ammonium in marine and soil environments, 

increased which may reflect environmental stress [209]. Previous research showed 

ammonia oxidizing archaea were more prominent nitrifiers in soils under pH stress [210]. 

Similar stress mechanisms might occur from Cu-NP exposure and promote conditions for 

archaeal growth.  

Of the nitrogen cycling microorganisms evaluated, denitrifying microorganisms 

showed the most robust overall response to Cu-NPs. Of the nitrogen cycling pathways 

examined, denitrifying microorganisms were the most abundant (70.8% of total nitrogen 

cycling probes detected), showed minimal declines to relative signal intensity, and 

displayed fewer shifts to microbial phyla. While nitrifying microbes also showed minimal 

declines to signal intensity, they represented a smaller number of nitrogen cycling probes 

(4.7%), and showed more changes in the phylogeny analysis. Previous pure culture 

experiments with quantum dots and Ag-NPs, have also found denitrifying bacteria to be 

the least sensitive compared to nitrifying and nitrogen fixing bacteria (5, 6). Compared to 

nitrogen fixation, anammox, and nitrification related microorganisms, denitrification 

related microbes have been shown to have more robust growth [179,194]. Higher growth 
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rates and energy yields likely made these microorganisms better able to combat stress 

from Cu-NPs.  

 This study demonstrated that after acute exposure of Cu-NPs, nitrogen 

concentrations increased indicating that sudden Cu-NP influxes may be problematic for 

wetlands in the short-term. Wetlands often serve as important low cost and energy 

solutions for storm water management and urban runoff [211]. NPs entering into 

wetlands through runoff would likely be accompanied by increased nitrogen loading. 

Under these conditions, NPs could substantially inhibit denitrifying microorganisms in 

the wetlands, and waters would leave with elevated nitrogen levels. Furthermore, these 

results showed that the Cu-NPs impacted nitrogen transformation in microcosms for at 

least 10 days after exposure, however, the hydraulic retention time of constructed 

wetlands may be substantially shorter. In the EPA’s Constructed Wetland Design Report, 

model systems had retention times of 5.5 to 7 days [212].  Furthermore, residence times 

in the Malibu lagoon have been recorded to be as little as a few hours during rainfall 

[213]. Therefore, given the short residence, Cu-NPs entering with impacted urban runoff 

may significantly decrease the ability of wetlands to remove nitrogen resulting in excess 

nitrogen entering surrounding surface waters.   

Furthermore, these data show that Cu-NPs have the potential to shape long-term 

nitrogen transformation of wetlands by selecting for more resilient nitrogen cycling 

microorganisms. Among the most robust were denitrification microorganisms, while 

anammox and nitrogen fixation microorganisms were more sensitive. Relative to the 

other nitrogen cycling microorganisms, increases in denitrifying microorganisms could 

be problematic for environmental health. Firstly, nitrous oxide is an intermediate of 
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denitrification and a potent greenhouse gas that has nearly 300 fold greater global 

warming potential than carbon dioxide [214]. Increases to wetland denitrification may 

increase nitrous oxide emissions.  Secondly, decreases to nitrogen fixation combined with 

increases to denitrification may result in net nitrogen losses in wetlands. Previous 

estimates of nitrogen cycling have found inadequate nitrogen concentrations limit a 

wetlands’ primary and secondary productivity [215]. Therefore, Cu-NPs entering the 

environment may reduce the productivity of wetlands through enhanced nitrogen loss 

leading to their overall degradation.   
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CHAPTER 6 

SUMMARY, PERSPECTIVES, AND FUTURE WORK 
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6.1 Summary and Perspectives  

Our ability to evaluate the potential environmental impacts of metal-containing 

nanoparticles (NPs) remains stymied despite their unprecedented rise in consumer and 

industrial products. Fueling this increase in nanoscale material (1-100 nm) application are 

their unique reactivity and novel properties which result from their increased surface to 

volume ratio and ability to operate by quantum mechanical laws [6]. Of particular interest 

are zinc- and copper- containing NPs (Zn-NPs and Cu-NPs, respectively) due to their 

substantial implementation in cosmetics, textiles, electronics, antimicrobials, and medical 

equipment [2]. The worldwide production of ZnO-NPs has been estimated to be between 

550 to 33,400 tons per year [35]. Furthermore, copper serves as cost effective alternative 

to silver (Ag), the most widely used among consumer NPs.  Unlike other metal-

containing NPs like Ag-NPs or TiO2-NPs, both copper and zinc serve as essential 

micronutrients for living organisms, and their deficiency or excess negatively affects 

cellular processes [3,4]. Unfortunately, Life Cycle Analyses (LSA) of metal-containing 

NPs suggest that the vast amounts generated will likely enter the environment through 

various junctures, specifically at the points of manufacture, use, and disposal [5]. At the 

moment however, national and state government organizations in the United States have 

yet to implement specific regulations for metal-containing NPs in the environment, which 

may be attributed in part to the incomplete understanding of their toxicity in surface and 

ground water and soil [24-27].  

Because certain metal-containing NPs have been shown to be substantially toxic 

to organisms at every trophic level including human cells [53], mammalian cells [4], fish 
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[54],  plants [55], invertebrates [56], yeast [57], algae [58],  and bacteria [59,60] , their 

release will likely result in unintended environmental ramifications. Understanding NP 

interactions with microorganisms are important because microorganisms model toxicity 

to higher organisms, define available nutrients of environmental niches through 

metabolic and chemical transformations, and act as the foundation of various food chains 

[4,105]. Different toxicity mechanisms against microorganisms were previously proposed 

for metal-containing NPs such as the release of toxic metal ions, reactive oxygen species 

generation, direct oxidation of proteins, damage to DNA, disruption of the cell 

membrane, and loss of mitochondrial function [19,61]. These, however, were primarily 

determined for cells grown under laboratory conditions, which may not reflect NP 

exposure in the environment.  

The extent to which toxicity is manifested under realistic conditions is unclear 

from the current literature, because many studies fail to evaluate the impact of conditions 

experienced by NPs in the environment [216].  Some studies, attempting to encompass 

these variables, have primarily focused on the influence of non-biological factors such as 

particle dissolution, pH, ionic strength, the presence of counter ions, and solution 

chemistry in affecting NP reactivity [2,31,84]. These studies although valuable, only 

partly address interaction mechanisms because microorganisms, themselves, are dynamic 

cells that can change when simultaneously interacting with metal-containing NPs and 

other constituents of the environment. Attempts to evaluate the impacts of representative 

biological sensitivities on NP interactions have only focused on examining simplistic 

characterizations such as the Gram-negative and Gram-positive dichotomies [7,62]. 
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While being necessary initial steps, these characterizations are not rigorous enough to 

encompass the complexity of actual environmental systems.   

The novel research in this effort was initiated in response to the meager number of 

studies examining the role of biological factors on metal-containing NP interactions with 

microorganisms. Specifically, this research examined how the factors such as different 

exposure times (Chapter 3), growth in biofilms (Chapter 4), and growth in mixed 

communities (Chapter 5) affected the sensitivities of microorganisms to metal-containing 

NPs, and how these factors shaped the resulting populations. Furthermore, these 

experiments were started in the model bacterium E. coli, but subsequent studies were 

performed using environmentally representative nitrogen cycling microorganisms in pure 

cultures as well as mixed communities. Both traditional and high-throughput screening 

methods were used to evaluate NP-microbial interactions and derive the advantages from 

both approaches. Together, these multiple lines of evidence support the hypothesis that 

differing biological statuses of the microorganisms alter their susceptibility to metal-

containing NPs and must be considered when determining their impacts in the 

environment. Although these results were determined for Zn- and Cu-NPs, the 

conclusions obtained are likely also valid for other NPs which also release metal ions like 

Ag, Al2O3, CdSe QDs, etc.     

In Chapter 3, the toxicity of Zn-NPs was assessed using a time-resolved high-

throughput screening method in an arrayed Escherichia coli genome-wide knockout (KO) 

library to determine changing sensitivities with growth stage and exposure time. The 

library was screened against nanoscale zero-valent zinc (nZn), nanoscale zinc oxide 
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(nZnO), and zinc chloride (ZnCl2) salt as reference. Through sequential screening over 24 

hours, this method identified 173 sensitive clones from diverse biological pathways, 

which fell into two general groups: early and late responders. The overlap between these 

groups was small. These results suggest bacterial toxicity mechanisms changed from 

pathways related to general metabolic function, transport, signaling, and metal ion 

homeostasis to membrane synthesis pathways over time. The various identified pathways 

reflected changing responses to Zn-NPs as E. coli shifted from exponential growth to 

stationary during the time assessed.   

These findings suggest that single isolated measurements, such as MIC or IC50 are 

inadequate, and time resolved approaches utilizing genome wide assays are needed to 

capture this crucial dimension and illuminate the dynamic interplay at the nano-bio 

interface. Currently, regulations of contaminants entering into environmental waters are 

informed largely by studies which used single isolated measurements as metrics for 

toxicity [27]. This may be problematic because as suggested by the findings reported in 

Chapter 3, single time point assessments can inadequately characterize changing toxicity 

and may miss time sensitive toxicity mechanisms. Fortunately, recent technological 

advances have made high-throughput screening methodologies more commonplace 

suggesting that more toxicity assessments might utilize this approach [17]. Because many 

regulatory bodies have yet to establish standards for NP use and release, to best protect 

human and environmental health, it is imperative that new rules incorporate time resolved 

assessments.  
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As the results from Chapter 3 were primarily derived for the model laboratory 

microorganism E. coli, to address the trends observed in more environmentally relevant 

microbes, representative nitrogen cycling microorganisms were used in the next set of 

experiments. Specifically in Chapter 4, the impacts of Cu-NPs were examined on pure 

cultures of nitrogen cycling bacteria in biofilms, which remains largely underexplored 

despite being the predominant mode of growth in natural and engineered environments. 

Biofilm cultures were compared to corresponding planktonic cultures through a suite of 

independent toxicity diagnostics. The ammonium oxidizing bacterium Nitrosomonas 

europaea, nitrogen-fixing Azotobacter vinelandii, and the denitrifying Paracoccus 

denitrificans were used because of their relevance to nitrogen transformation, agriculture, 

eutrophication, and wastewater. While IC50 values based on ATP content were only 

significantly different between planktonic and biofilm growth for N. europaea, relative 

growth parameters for both N. europaea and P. denitrificans were less impacted under 

biofilm growth. Similarly, physiological evaluations of ammonium oxidation and nitrate 

reduction suggested that biofilm-based growth and microbially-mediated substrate 

transformations were comparatively less inhibited by NPs than planktonic cells. These 

results were further confirmed by the reduced impairment in expression of respective 

functional genes in biofilm grown cells.  

This study used multiple lines of evidence to show that biofilm-grown cells were 

more resilient to Cu-NPs. This implies that biofilms enhance microbes’ natural defenses 

against NPs, and previous planktonic-based assessments might over estimate toxicity to 

NPs in wastewater, wetlands, and soils. The production of extracellular polymeric 

substances (EPS), enhanced nutrient exchange, and the persistence of different metabolic 
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states could all have contributed to the enhanced NP resistance in biofilms [12]. As 

regulatory standards and environmental applications of NPs are still in their infancy, it is 

essential that researchers and regulators consider bacterial growth mode when evaluating 

appropriate nanomaterial concentrations. For example, Cu-NPs used to prevent 

membrane fouling by biofilms in wastewater treatment trains would require higher 

effective doses than those used for controlling planktonic microbial populations in 

reservoirs.  

To follow up on the trends observed for nitrogen cycling pure cultures, the acute 

(10 days) and long-term (100 days) impacts of Cu-NPs to nitrogen cycling microbial 

communities were examined in wetland-derived microcosms through the DNA based 

Geochip microarray platform (Chapter 5). Herein marks the first attempt examining NP 

impacts to the microbial ecology of wetlands, which maintain nitrogen balances for 

natural environments and isolated communities, and stand as a glaring omission from 

assessments of NP toxicity. This research was performed to determine Cu-NP impacts to 

overall nitrogen cycling, which likely reflected increases in more resilient nitrogen 

cycling microorganisms and reduced diversity overall. These results showed that after 

acute exposure, Cu-NP exposed microcosms displayed significant differences in nitrite 

and nitrate concentrations, which were not observed during long-term exposure. During 

chronic exposure, however, significant changes to overall microbial ecology were 

observed for Cu-NP exposed microcosms. Of the nitrogen cycling genes, anammox and 

nitrogen fixation related genes were most decreased with respect to unexposed controls, 

while denitrification genes remained relatively unchanged, corroborating the nitrate 

measurements, which were statistically indistinguishable among Cu-NP or CuCl2-
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exposed and unexposed microcosms. These data show impacts to nitrogen 

transformations were more apparent in acute exposure, with functional recovery after 

chronic exposure. Despite the functional recovery after chronic exposure to Cu-NPs, 

microbial shifts were more apparent after chronic exposure, which have implications for 

wetland ecosystem services like carbon cycling, pathogen destruction, heavy metal 

remediation, and toxicity to wetland plants and animals. Therefore these data suggest that 

sudden influxes of Cu-NPs into wetland systems may impair nitrogen removal initially, 

but long-term microbial shifts may promote increases in populations involved in 

denitrification processes.   

Metal-containing NP induced increases to denitrifying microorganisms could be 

problematic for environmental health. Decreases to nitrogen fixation combined with 

increases to denitrification may result in net losses of nitrogen to wetlands. Previous 

estimates of nitrogen cycling have found inadequate concentrations of nitrogen can limit 

primary and secondary productivity of wetlands [215]. Therefore, Cu-NPs entering the 

environment have the potential to reduce the productivity of wetlands through enhanced 

nitrogen loss, which could lead to overall decreases to biodiversity. Furthermore, as 

nitrous oxide, a potent greenhouse gas with nearly 300 x greater global warming potential 

than carbon dioxide, is an intermediate of denitrification, metal-containing NP enhanced 

growth of denitrifiers may increase nitrous oxide emission [214]. These results highlight 

the importance of microbial specific sensitivities in defining responses to metal-

containing NPs and shaping the resulting population.   

Ultimately the overall value of this research stems from the development of a 

framework for evaluating novel contaminants for potential environmental ramifications. 
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This framework relies on combining both traditional and novel high-throughput 

technologies to better characterize toxicity in the environment. High-throughput 

technologies like the E. coli knockout library and Geochip platform were useful for 

addressing multiple conditions and hypothesis at once under similar exposure conditions. 

Furthermore, because these methods evaluate a tremendous amount of possible variables, 

they allow for unexpected hypotheses to be tested without the experimenter consciously 

including them [217]. In any case, these approaches can help to narrow down the field of 

potential questions rapidly and with significantly less effort than it would take for 

traditional single mechanism assays. However, these methods are limited in utility as 

intrinsic constraints of high-throughput assays prevent them from addressing more 

specific in-depth questions. For example, the E. coli knockout library method can only 

address NP toxicity questions in relation to the model bacterium E. coli suspended in 

Luria broth media [59]. These properties of the assay limit effectively answering 

questions with this method that pertain to different organisms or growth conditions. For 

this study, to evaluate how NP toxicity mechanisms identified in the knockout screen 

translated to environmentally relevant bacteria, follow up experimentation with nitrogen 

cycling bacteria using traditional growth, metabolite, and gene-based assays was 

necessary. This highlights that traditional single mechanism assays are still valuable to 

answer in depth questions if the results are examined in the context of other assays. 

Therefore, it should be the approach of toxicologists, regulatory agencies, and 

environmental professionals to use multiple lines of evidence from assays of varying 

complexity to evaluate the potential impacts of NPs in the environment. This body of 

work only represents an attempt to characterize the biological impacts on metal-
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containing NP interactions with microorganisms, however, many new NPs and novel 

chemicals are generated every day which can benefit from this approach	  

6.2. Suggestions for Future Research   

Although the time-resolved high-throughput methods using the E. coli knockout 

collection offered the ability to scan multiple toxicity paradigms simultaneously (Chapter 

3), the conclusions were drawn from the a single high-throughput assay utilizing the lab 

strain, E. coli. To further confirm the results in this study, it might be useful to assay 

metal containing-NPs in a similar high-throughput assay, such as the E. coli green 

fluorescent protein (GFP) stress reporter gene whole cell system [218].  In any case while 

E. coli is a valuable model organism, its relevance in diverse environmental applications 

or as an indicator to higher level eukaryotic organisms is debatable [4]. Fortunately, the 

methods developed for the E. coli genome knockout library may be also applied to other 

existing knockout libraries and clone collections better suited for addressing toxicity 

paradigms in different ecological niches and more complex organisms. For example, 

using these methods for a knockout collection of the yeast, Saccharomyces cerevisiae, 

would better inform time-dependent NP toxicity in fungi [219]. Alternatively, studies 

have found metal-containing nanoparticles to be toxic to photosynthetic microorganisms 

and may cause problems for carbon cycling [220]. Adapting the E. coli knockout library 

method to a clone library of insertion mutants comprised of the microalgae, 

Chlamydomonas reinhardtii would help to explore the influence of algal growth stages in 

changing susceptibility to metal-containing NP toxicity [221]. 

In Chapter 4, although biofilms were determined to be protective for nitrogen 

cycling bacteria against Cu-NPs, the mechanism for their enhanced resistance was not 
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fully examined. Indeed various mechanisms have been proposed including greater 

nutrient availability, exchange of beneficial genetic information, quorum sensing, the 

persistence of different metabolic states, and protection by EPS [144]. Inhibition by EPS 

is most often cited as a factor in protecting against NPs, but its role is unclear [222,223]. 

Better understanding of changes to its chemical composition following NP exposure may 

better inform how biofilms mitigate NP toxicity. Different biopolymers perform different 

roles within the biofilm such as structural components, sorption, nutrient sources, and 

redox exchange [224]. Alginate and levin, for example, have been shown to be important 

for the initial formation of the biofilm [225]. Changes to the biopolymer composition 

may indicate its mode of protection against metal-containing NPs. Previous studies with 

Ag-NPs suggest E. coli biofilms mitigated NP toxicity by metal ion reduction because of 

observed changes to the NPs [13].  Measuring corresponding increases to polymers 

responsible for redox exchange could confirm this hypothesis.  

In Chapter 5, microbial shifts of wetland-derived microcosms following Cu-NP 

exposure were examined in response to studies of nitrogen cycling pure cultures in 

Chapter 4. While valuable, these results were determined for relatively simple systems, 

specifically bottle reactor microcosms. Wetlands, however, are complex systems that 

have dynamic responses to influxes of nutrients or xenobiotic compounds [194]. Using 

similar methods such as quantifying shifting functional genes and tracking nitrogen 

speciation may be more representative if performed in a pilot-scale or full-scale 

constructed wetland. Indeed, the Geochip platform has been applied to more 

representative and complex environments and metal-containing NPs have been assessed 

in more intricate mesocosm systems [226,227]. Scaling up experiments could confirm 
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that the trends observed in the simpler microcosms were consistent for more complex 

systems or were factors of the conditions in the microcosms.  For example, the results in 

Chapter 5 suggest nitrogen fixing microorganisms were particularly sensitive to Cu-NPs, 

however, under the conditions tested only free-living nitrogen fixers could be assessed. In 

wetlands, however, nitrogen fixing microorganisms often grow in symbiotic relationships 

with vegetation [179]. Therefore, if wetland microbial ecology were examined in the 

presence of active vegetation as found in a constructed wetland, more representative 

conclusions could be drawn about nano-bio interactions in this context.   
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