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ABSTRACT 

Batoids are animals of the Chondrichthyan group comprising stingrays, skates and guitarfishes. In 

California coast, batoids, such as bat-rays, shovelnose guitarfish and round stingrays, inhabits coastal 

areas that can be impacted by overfishing, habitat degradation and pollution. These animals play the role 

of mesopredators and can have large effect on the structure and function of benthic communities. 

Paradoxically, habitat use and feeding ecology of batoid species are poorly understood as well as their 

exposure risk and accumulation patterns of contaminants, such as Hg. Considering that most batoids has a 

life-cycle strongly associated to bottom sediments of benthic habitats, which is an important site 

deposition and partitioning processes for many pollutants, these animals might be in risk of higher 

exposure to these pollutants and exposed to deleterious effects. This research aims to describe the habitat 

use of batoids species occurring in San Diego Bay, Southern California, and Tomales Bay, Central 

California, and assess their exposure levels to pollutants. In chapter 1, I present an extensive systematic 

review of the scientific literature on the fate of trace metals and POPs in batoids with the goal of 

describing the current state of environmental contamination in batoid. In chapter 2, I describe trophic 

interactions of three sympatric batoid species inhabiting an urbanized estuary using carbon (δ13C) and 

nitrogen (δ15N) stable isotopes and total Hg (THg) as ecological tracers. I also assess THg accumulation 

in two populations of Myliobatis californica while accounting for changes in trophic structure, diet 

sources, and contamination background. In chapter 3, I describe and compare Hg bioaccumulation and 

biomagnification between two estuarine food-webs in California coast assessing temporal and spatila 

variation in Hg levels, and which factors best explain these variations.  
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INTRODUCTION 

 

Batoids are fishes of the Chondrichthyes group comprising stingrays, skates and guitarfishes (Ebert and 

Compagno, 2007; Fowler et al., 2005). In California coast, batoids, such as bat-rays, shovelnose guitarfish 

and round stingrays, inhabits coastal areas that can be impacted by overfishing, habitat degradation and 

pollution. These animals are benthic top predators and can potentially play important role in trophic 

dynamics of benthic communities (Myers et al., 2007). Although overexploitation and habitat degradation 

are shown as the two biggest threats to elasmobranch populations (Dulvy et al., 2014), coastal and 

oceanic pollution can potentially be another important factor contributing to population disruption.  

Trophic ecology of batoids is poorly understood compared to sharks and teleost fishes (Vaudo and 

Heithaus, 2012). Diets vary regionally in many coastal batoid species, especially those with wide 

distributions. A few studies have addressed feeding ecology of batoids in California coast. In Humboldt 

Bay and Tomales Bay (TB), the diet of Bat-rays (Myliobatis californica) is shown to consist 

predominantly of benthic invertebrates with main prey items differing between locations potentially due 

to an opportunist/generalist behavior and distinct prey item composition (Gray et al., 1997; Matern et al., 

2000; Ridge, 1963). Foraging strategy of this species consist on resuspending mud flat sediments seeking 

for infauna and epibenthic invertebrates (Gray et al., 1997; Matern et al., 2000). Batoid diet vary among 

species, among size classes within the same species and among individuals in the same foraging location, 

especially for species with generalist and opportunist feeding behaviors (Babel, 1967; Valadez-Gonzalez 

et al., 2001). The generalist and opportunist foraging behavior of these species explain their diet variation 

among habitats comprising different benthic fauna.  

Environmental pollution is a worldwide concern and evaluating contamination impacts using only 

measurements in water, air and sediment samples are challenging. Pollutants have varied persistence and 

mobility on the environment, with specific affinities to different elements, which makes it difficult to 
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follow their fate without a comprehensive understanding of local geochemistry dynamics and using 

biological components in the assessment (Manahan, 2010).  

Many pollutants tend to bioaccumulate in living organisms resulting in an increase of its concentrations  

in consumers occupying higher trophic levels of the food web (i.e.biomagnification) (Muto et al., 2014). 

Therefore, in systems where top predators (i.e. sharks; mackerel) are historically overexploited with their 

abundance reduced, mesopredators have the potential to provide valuable information as bioindicators of 

environmental pollution (Allen et al., 2002; Jackson et al., 2001; Myers et al., 2007). 

In southern California, bays and estuaries provide valuable ecological services to a variety of marine 

organisms. These areas are vital in the life cycle of an incredible diversity of species by providing 

protected shelters against predation, nursery habitats, food sources and strategic reproduction sites (Dale 

et al., 2011; Gray et al., 1997; Szoboszlai et al., 2015). As a coastal zone under an arid climate, ecological 

features such as hydrography, water physico-chemistry and fish assemblage are controlled by marine 

drivers due to the limited freshwater inputs common in this region (Allen et al., 2006). Consequently, 

these ecosystems often present low trophic complexity, where marine mesopredators can regulate food 

web structure and in which batoids have significant importance (Barría et al., 2015; Farrugia et al., 2014, 

2011; Matern et al., 2000). From the perspective of the integrated Hg monitoring program proposed by 

Evers et al., (2008), batoids can be classified as bioindicators of contamination in coastal areas, especially 

in bays and estuaries. Batoids are ubiquitous and abundant in many coastal zones worldwide with many 

species being used for human consumption (Gassel et al., 2013). Batoids generally feed on secondary and 

above trophic levels, which increase their exposure and accumulation of pollutants through diet.  

The present study is divided in three chapters, each aiming to address a fundamental question regarding 

batoids trophic ecology and contamination. In chapter 1, I ask: is chemical pollution a cause of concern in 

batoids? Using a systematic literature review and meta-analysis, I describe the major pollutants found in 

this elasmobranch group and identify areas and species with contamination concerns. In chapter 2, I ask: 

how trophic interaction and habitat use affect Hg uptake in batoids? Using multiple ecological tracers and 
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Bayesian statistical models, I characterize trophic interactions, diet proportions, and contamination niches 

of three sympatric batoid species in an urbanized estuary in California coast. In Chapter 3, I ask: do Hg 

levels and biomagnification vary temporally and spatially in aquatic biota of two estuaries with distinct 

Hg backgrounds and sources? Using Hg levels quantified in mollusks, crustaceans, elasmobranchs, and 

teleost fishes across multiple decades from two study sites, I identify patterns and trends in Hg 

accumulation, and estimate biomagnification rates for batoids’ food webs.  
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CHAPTER 1 - Trace Metals and Persistent Organic Pollutants Contamination in Batoids 

(Chondrichthyes: Batoidea): A Systematic Review. 

M.F. Bezerra et al. / Environmental Pollution 248 (2019) 684 – 695 
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Abstract 

Batoids (Chondrichthyes: Batoidea; e.g. stingrays, skates, and guitarfish) comprise more than 55% of 

elasmobranch taxa and represent ecologically important predators in benthic and pelagic habitats. 

Although overexploitation and habitat degradation are the two biggest threats to batoid populations, 

coastal and oceanic pollution is also a pervasive potential threat. In this systematic review, we compile 

published scientific literature on trace metals and persistent organic pollutants (POPs) contamination in 

elasmobranch species of the Batoidea superorder and present contamination patterns, exposure effects, 

and potential human exposure risks to most reported contaminants. We found batoids to accumulate a 

wide range of trace metals, including mercury (Hg), arsenic (As), lead (Pb), copper (Cu), cadmium (Cd) 

and zinc (Zn). Accumulation of POPs is reported for chlordanes, dichlorodiphenyltrichloroethane (DDT), 

polychlorinated biphenyl (PCB), dieldrin, Heptachlor epoxide, hexachlorobenzene and perfluoroalkyl 

substances (PFAS). Hg levels in muscle tissue were significantly different among oceanic basins and 

habitats, consistent with previous global assessments of Hg oceanic background levels. Some batoid 

species presented Hg levels higher than large pelagic teleost fishes and comparable to sharks. Ecological 

traits such as, bottom feeding, upper trophic position and elasmobranch-specific physiology and 

metabolism are discussed as potential factors associated with Hg uptake and accumulation in batoids. 

Some species exceeded USEPA’s maximum contamination safety limits in edible tissues for Hg, As and 

ΣPCBs. For most trace metals and POPs, there is a lack of studies focusing on contamination levels in 

batoids. We recommend future research increasing reporting on POPs and trace metals besides Hg in 

batoids to further investigate the role of Elasmobranch as a bioindicator for marine pollution.  
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Introduction 

Increased nutrient loads, solid waste discharges, oil spills, untreated sewage, radioactive wastes and 

chemical discharges by industries and urban run-off are all pervasive threats to oceanic and coastal 

ecosystems (Derraik, 2002; Kitsiou and Karydis, 2011; Vikas and Dwarakish, 2015). Among these, trace 

metal and persistent organic pollutant (POP) contamination from anthropogenic sources is one of the 

most widespread human footprints in the Anthropocene (Gałuszka et al., 2014). Anthropogenic activities 

can alter natural geochemical background and cycling of these elements, increasing uptake of toxic 

compounds by primary producers and building up along the food web resulting in deleterious effects on 

aquatic biota (Chopra et al., 2011; de Souza Machado et al., 2016; El-Shahawi et al., 2010; Gałuszka et 

al., 2014).  

Trace metals are metallic elements found in trace amounts in the environment that can be either an 

essential nutrient (e.g. iron (Fe), zinc (Zn), selenium (Se)) or a toxicant (e.g. mercury (Hg), lead (Pb), 

cadmium (Cd), arsenic (As)), depending on their concentrations in organisms and/or their specific role in 

biological metabolism (e.g. copper (Cu) is an essential trace metal because of its role in respiratory 

proteins found in the Mollusca and Arthropoda) (Morel and Price, 2007). POPs such as, polychlorinated 

biphenyls (PCBs), chlordanes (CHLs) and dichlorodiphenyl-trichloroethane (DDT) are toxic chemicals, 

resistant to biodegradation and have no known function in biological metabolism. These pollutants are 

often found accumulating in aquatic biota with a tendency of biomagnification in the food web (Jones and 

de Voogt, 1999).   

Chronic and acute exposure to non-essential trace metals have been studied in many teleost fish species 

and are known to cause a reduction in reproductive success, immunosuppression and oxidative stress to 

tissue cells (Baatrup, 1991; Rajeshkumar et al., 2013; Vieira et al., 2009). Similarly, chronic and acute 

exposures to POPs are hypothesized in association with impaired development, reduced reproductive 

success and increased carcinogenic effect in many aquatic organisms (Harmon, 2015). Therefore, 

environmental exposure to trace metals and POPs has the potential to indirectly impact entire populations 
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and communities through the cascading effects of impaired metabolic and reproductive functions of 

organisms exposed to these pollutants (Fleeger et al., 2003).  

Elasmobranchs (e.g. sharks, rays, chimeras) are highly susceptible to accumulation of environmental 

pollution, in general, due to their intrinsic biological and ecological traits (e.g. slow growth, late 

maturation, low reproductive output) (Dulvy et al., 2017, 2008; Pierce and Bennett, 2010). Although 

overexploitation and habitat degradation are suggested as the most significant threats to elasmobranch 

populations (Dulvy et al., 2014), coastal and oceanic pollution represent a potential additional threat with 

unknown consequences to this taxonomic group. Similar to teleost fishes, elasmobranchs accumulate 

water-borne pollutants but likely to a larger extent, as observed for some trace metals, such as silver and 

copper, under controlled laboratory experiments (De Boeck et al., 2001; Grosell et al., 2003; Webb and 

Wood, 2000). Paradoxically, there are few numbers of studies investigating trace metal and POP 

contamination in elasmobranch, and fewer publications focusing only on batoids (Gelsleichter and 

Walker, 2010).  

The term batoids is used here to identify cartilaginous fish encompassing the superorder Batoidea which 

is further sub-divided in four orders: Rajiformes, with suborder of Rhinobatoidei (guitarfishes) and 

Rajoidea (skates), Pristiformes (sawfishes), Torpediniformes (electric rays), and Myliobatiformes 

(stingrays) (Aschliman, 2011; Ebert and Compagno, 2007). These organisms differ from sharks by their 

dorso-ventrally flattened body morphology conferring them a widespread distribution in coastal and 

oceanic environments, most commonly found in benthic and demersal habitats. Some batoid species play 

crucial ecological functions in their food webs by directly (e.g. predation) or indirectly (e.g. bioturbation) 

structuring benthic communities (Bornatowski et al., 2014; Myers et al., 2007; Pierce et al., 2011). Their 

life history is directly linked to the bottom substrate where trace metals and organic contaminants often 

accumulate, increasing their exposure potential (de Souza Machado et al., 2016).  

In this paper, we conduct an extensive systematic review of the scientific literature on the fate of trace 

metals and POPs in batoids. Our purpose is to present a general view of contamination in batoid taxa that 
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could help understanding distribution of pervasive pollutants in marine ecosystems. To guide this review, 

we aim to address the following questions: 1. What are the most common contaminants found in batoids? 

How do batoid's contamination level differs from teleost fishes occupying similar habitats? 2. Are there 

geographical differences in contaminant levels found in batoid tissues? 3. What is human's risk of 

exposure to contaminants through consumption of batoids?  

Material and methods 

The present review identifies research papers related to marine pollution in batoids by adopting a 

systematic quantitative framework proposed by Pickering & Byrne (2014). Selection criteria included 

papers published in the English language and institutional reports that provided detailed results of 

pollutant levels in any batoid species throughout the world. Academic theses, dissertations, and 

monographs were considered in our discussion but were not included in our meta-analysis as these are not 

broadly available online and often not subjected to a peer-review process. Online databases such as, Web 

of Science; Science Direct; Scopus; and Google Scholar, were searched using the following keywords: 

‘batoids’ ‘contamination’ ‘copper’ ‘elasmobranch’ ‘guitarfish’ ‘mercury’ ‘myliobatodei’ ‘organic 

compounds’ ‘pollution’ ‘POPs’ ‘rhinobatodei’ ‘rajoidei’ ‘rajiformes’ ‘skates’ ‘stingray’ ‘trace metal’ 

‘torpedinoidei’. Keywords were used in combination or as a search refining term to improve result 

outputs. Additional searches were conducted in the reference list of papers to identify studies published in 

regional journals not included in the mentioned database. Literature surveyed included published papers 

available at mentioned databases by December 2017.  

General recorded information included year, journal, authors, study area, study title, species reported, 

species size class, sample size, tissue type, pollutant type, biological parameters measured, contamination 

trends reported, relationship with biological parameters, knowledge gaps highlighted, and additional 

notes. For trace metals, 24.8% of the results surveyed were reported on a dry weight basis for Hg levels. 

Because concentrations were commonly reported on a wet weight basis, we converted those reported on a 



9 

dry weight using the respective tissue moisture content and reported all the Hg concentrations on a wet 

weight basis in this study. POPs are reported on a lipid weight basis. 

We calculated contamination ranges of contaminants using average levels reported in the literature and 

separated them in 6 independent groups. We used information reported in the respective paper to organize 

data into groups based on taxa (e.g. sub-order; family; genera and species), area of study (e.g. Barents 

Sea, China Sea, Laccadive Sea, Mediterranean, North Atlantic, North Pacific, North Sea, South Atlantic 

and South Pacific) and sex. We also separated species into groups based on preferred prey items (e.g. 

crustacea, crustacea/fish, fish, invertebrates, mollusk, and zooplankton), habitat zones (e.g. benthic, 

benthopelagic, and pelagic) and life stage (e.g. adult and juvenile) (Table S3). In addition, we assigned 

trophic positions to the recorded batoid species based on stomach content and stable isotope ratios 

previously published in the literature (Barría et al., 2015; Borrell et al., 2011; Ebert and Bizzarro, 2007; 

Jacobsen and Bennett, 2013; Yemışken et al., 2017) 

We followed U.S. EPA and U.S. FDA's published criteria of maximum safety consumption for assessing 

chemical contaminant data to assess human exposure risk by batoid consumption (Depew et al., 2012; 

Scheuhammer et al., 2015; USEPA, 2000). A complete list of recorded papers is available in Table S1.   

Statistical analysis  

A descriptive statistical approach was used to identify patterns that emerged from the data. Explanatory 

factors tested included taxonomic groups (e.g. sub-order; family; genera and species), oceanic areas of 

study (e.g. Barents Sea, Laccadive Sea, Mediterranean, North Atlantic, North Pacific, North Sea, South 

Atlantic and South Pacific), main prey items (e.g. Crustacea, Crustacea/fish, fish, invertebrates, mollusk 

and zooplankton), habitat zones (e.g. benthopelagic, demersal and pelagic), life stages (e.g. adult and 

juvenile) and sex. When not provided by recorded papers, information about species feeding habits and 

life history was obtained from the literature. We performed parametric (e.g. ANOVA, Student’s t) and 

nonparametric (e.g. Kruskal-Wallis) tests to identify significant differences among groups. We used 
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Generalized Linear Models – GLMs (family = Gamma) to consider factors better explaining Hg 

concentration variations, and examined potential confounding effects from interactions between the 

factors “Oceanic area”, “Habitat”, “Sub order”, and “Main prey item. Statistical significance was set at α 

= 0.5. All analysis and plots were conducted using RStudio software (R Core Team, 2017).      

Results 

A total of 47 publications were published between 1981 and December 2017 reporting levels of trace 

metal and/or POPs in batoids (Fig. 1.1). A total of 65 batoid species were reported including 25 genera 

from the suborders Myliobatoidei (35 species), Rajoidei (18 species), Rhinobatoidei (8 species), 

Torpedinoidei (3 species) and Platyrhinoidei (1 species). Major coastal and oceanic areas identified 

include the North Pacific Ocean (11 papers), Mediterranean Sea and North Atlantic Ocean (10 papers 

each), South Pacific Ocean (5 papers), China Sea, North Sea, Barents Sea and South Atlantic Ocean (2 

papers each) and Laccadive Sea (1 paper). The vast majority of papers reported exclusively trace metal 

contamination in batoid species (35 papers). Organic contaminants were reported in 10 papers and 2 

studies reported both contaminant types. Trace metal and POPs results will be presented and discussed 

separately. A detailed list of batoids species surveyed in this study is presented as supplementary material, 

along with the type of contaminants, study areas and their references (see Table S1).  

A variety of tissues has been used to quantify contaminants in batoids, including brachial plate, blood, 

embryo, eggs, fins, gills, gut, intestine, kidney, liver, muscle, ova, and yolk. Muscle and liver tissues were 

the most common matrices of analysis being reported in 83% (n = 39) and 47% (n = 22) of studies, 

respectively. The genus Raja is the most represented batoid taxon, being reported in 36% (n = 17) of 

papers reviewed in this study. Other highly represented genera are Dasyatis (note this genera has recently 

been revised – Last et al., (2016)) and Myliobatis being reported in 23% (n = 11) and 17% (n = 8), 

respectively. The species Raja clavata, also known as Thornback ray, is the most reported batoid species, 

represented in 21% (n = 10) of papers. This species has a wide distribution range occurring in the North 

and South Eastern Atlantic, the Southwest Indian Ocean and the Mediterranean Sea. We found reported 
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contamination levels for this species mainly in the Mediterranean Sea, but also in North Sea and North 

Atlantic sites.   

Trace metal contamination in batoids 

Twenty-seven trace metals were reported in batoids (Tab. S1.1). Among these, mercury (Hg) was the 

most reported contaminant comprising 84% of papers (n = 31) followed by cadmium (Cd) and lead (Pb) 

(n = 11; 31%), zinc (Zn) (n = 10; 29%), copper (Cu) (n = 9; 26%) and arsenic (As) (n = 7; 20%). 

Contamination levels of most reported trace metals in muscle and liver tissues of batoids are shown in 

Table 1.1 along with species presenting the lowest and highest levels. Other trace metals were reported in 

less than 15% of papers (n < 5) including chromium (Cr), manganese (Mn), cobalt (Co), iron (Fe), nickel 

(Ni), selenium (Se), rubidium (Rb), strontium (Sr), palladium (Pd), rhodium (Rh), platinum (Pt), 

vanadium (V), bismuth (Bi), tin (Sn), antimony (Sb), barium (Ba), thallium (Tl), indium (In), 

molybdenum (Mo) and silver (Ag).  

Due to a very limited number of studies available, we did not observe a clear global trend for most of 

trace metals except for Hg. Therefore, we focus most of our trace metal contamination discussion 

primarily on Hg levels. Clear trends of Hg contamination were observed among oceanic basins and 

animal sizes. Hg levels are discussed here on a wet-weight basis. Hg distributions were significantly 

different among oceanic basins (Kruskal Wallis chi squared = 51.4; p < 0.001) with the Mediterranean 

Sea presenting consistently higher Hg levels (Fig. 1. 3). Hg levels in muscle tissue of batoid species 

ranged from 0.086 to 2.42 µg Hg g-1 in the Mediterranean Sea (559 specimens of 10 species), 0.011 to 1.1 

µg Hg g-1 in the North Pacific (347 specimens of 20 species), 0.039 to 0.265 µg Hg g-1 in the North 

Atlantic (416 specimens of 6 species), 0.039 to 0.129 µg Hg g-1 in the North Sea (49 specimens of 2 

species), 0.096 to 0.350 µg Hg g-1 in the Barents Sea (13 specimens of 2 species), 0.004 to 2.05 µg Hg g-1 

in the South Pacific (39 specimens of 8 species), 0.83 to 0.430 µg Hg g-1 in the South Atlantic (number of 

specimens not available; 3 species), 0.019 µg Hg g-1 in the Laccadive Sea (15 specimens of 1 species), 

and 0.040 µg Hg g-1 in the China Sea (5 specimens: 1 species). Species were pooled together regardless of 
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their feeding habits and trophic levels to observe how Hg levels varied in areas with different 

contamination backgrounds. 

We have found no significant differences on average trophic position among oceanic basins (Kruskal-

Wallis chi-squared = 4.776, df = 3, p-value = 0.189). The Mediterranean Sea dataset included benthic and 

pelagic species with an average trophic position of 3.43 ± 0.4. The North Pacific basin dataset included 

benthic and pelagic species with an average trophic position 3.48 ± 0.4. The North Atlantic basin dataset 

included benthic and benthopelagic species with an average trophic position of 3.57 ± 0.5. The South 

Pacific basin dataset included pelagic and benthic species with an average trophic position of 3.47 ± 0.4. 

In addition, all these oceanic basins shared species of the same genera (i.e. Dasyatis, Myliobatis, Raja, 

Torpedo). 

Hg levels in adult specimens were significantly higher compared to juveniles (Student’s t = 3.5; p < 

0.001; df = 1). Hg concentrations were also significantly different among prey items with “Crustacea” 

presenting higher concentration compared to “Zooplankton” (GLM, t value = 2.045., p = 0.04; Fig. 1. 2a). 

In contrast, no significant differences were found among sub-orders and foraging habitat (GLM, p > 0.1) 

or between genders (Student’s t = - 1.19; p = 0.2; df = 1) (Fig. 1. 2). 

Persistent Organic Pollutants (POPs) contamination in batoids  

There were only 11 papers reporting POPs in batoids. Reported POPs include 

dichlorodiphenyltrichloroethane (DDTs), chlordanes (CHLs), polychlorinated biphenyls (PCBs), 

perfluoralkyl substances (PFAS) and polybrominated diphenyl ethers (PBDEs). PCBs, CHLs, and DDTs 

were the most reported contaminants accounting for 63% of papers in this category (n = 7). PFAS were 

reported in only two papers but in more species than any other POPs surveyed. The most analyzed tissue 

was liver accounting for 81% of papers in this category (n= 9). Other reported tissues include muscle, 

eggs, and embryo. Species were captured from four oceanic basins including the North Atlantic (2 
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species), the Mediterranean Sea (3 species), the North Pacific (2 species) and the South Pacific (6 

species).  

Total PCB levels in liver ranged from 0.2 to 9.5 µg.g-1 lipid weight (2 species; 274 specimens) (Lyons et 

al., 2014; Weijs et al., 2015), 0.02 to 0.07 µg.g-1 lipid weight for ΣDDTs (4 species; 261 specimens) 

(Lyons et al., 2014; Miskiewicz and Gibbs, 1994) and 0.02 to 2.5 µg.g-1 lipid weight for ΣCHLs (5 

species; 276 specimens) (Lyons et al., 2014; Miskiewicz and Gibbs, 1994; Weijs et al., 2015). POP levels 

in muscle tissue were reported in only four papers and varied from 0.005 to 3.16 µg.g-1 for total PCBs (6 

species; 50 specimens) (Gassel et al., 2013; Johnson-Restrepo et al., 2005; Storelli, 2008). DDTs and 

CHLs were reported in muscle tissue of one species (e.g. Rhinobatos productus) and varied from 0.002 to 

0.004 µg.g-1 of DDTs and non-detectable for CHLs (Gassel et al., 2013). PFAS levels were reported in 

muscle tissue of one specimen of Dasyatis americana (Senthil Kumar et al., 2009).  

The highest total PCB levels found in batoids were reported in livers of Urobatis halleri (4.5 ± 2.4 µg.g-1; 

n = 208) from Seal Beach, USA (Lyons et al., 2014). The highest mean values of total CHLs were found 

in livers of Urolophus kapalensis, Aptychotrema rostrata and Myliobatis australis (2.52 µg.g-1; 1.02 µg.g-

1 and 0.99 µg.g-1, respectively), all captured in the coast of Sidney, Australia (Miskiewicz and Gibbs, 

1994). M. australis also presented the highest total DDTs levels (1.48 ± 5.17 µg.g-1) (Miskiewicz and 

Gibbs, 1994). The highest total PFAS concentrations in batoids were found in livers of D americana 

(mean of 0.033 µg.g-1; n = 2) and Neotrygon kuhlii (0.018 ± 0.027 µg.g-1; n = 35) captured at the coasts of 

Georgia, USA, and Sidney, AUS respectively (Baduel et al., 2014; Senthil Kumar et al., 2009). 

Exposure effects of POPs and trace metal on batoids 

We found only five studies reporting the effects of trace metals and POPs contamination on batoids. 

Assessed contaminants included trace metals (e.g. Cu and Sn) (Dwivedi and Trombetta, 2006; Grosell et 

al., 2003), an organometallic compound (e.g. tributyltin oxide -TBTO) (Dwivedi and Trombetta, 2006) 

and persistent organic pollutants (e.g. DDTs, PCBs and CHLs) (Gelsleichter et al., 2006; Lyons et al., 
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2014; Sawyna et al., 2017). Effects of pollutants were measured through the use of biomarkers (e.g. 

Na/K-ATPase activity in gill, rectal gland and intestine; EROD activity in liver; enzyme-linked 

immunosorbent assay (ELISA); CYP1A, heme-oxygenase (HO–1) and Hsp70 proteins expression; lipid 

peroxidation marker 4-hydroxynonenol) and non-biomarker parameters (e.g. total ammonia, Cl–, Na+ and 

Mg+ in plasma; immune cell counts; morphological measures of reproductive and respiratory organs; 

hormone levels; and embryo development).  

Discussion 

The research field of environmental contamination in batoids has received relatively less attention 

considering that earliest papers were mainly opportunistic studies (i.e. capturing batoids as a bycatch 

rather than a target species) without asking specific questions about this taxonomic group. That aspect 

changed in the last decade, with more studies exclusively targeting batoid species to address questions 

concerning aspects of this taxonomic group. Likely, that shift built on our better understanding of food 

web function (e.g. trophic interactions associated with ecosystem stability (Gorman and Emmerson, 

2009), trophic cascades in food web dynamics (Polis et al., 2000) and the potential role of elasmobranchs 

in ecosystem stability (i.e. top-down trophic cascades, mesopredator release) (Myers et al., 2007). Studies 

of environmental contamination in batoids, however, remain relatively limited. This review provides a 

status quo of pollutant levels in the batoid taxonomic group.  

Trace metal accumulation in batoids  

Relatively few studies have investigated the impacts of marine pollution in elasmobranchs  (Gelsleichter 

and Walker, 2010), despite the fact that exposure experiments showed these organisms could be more 

susceptible to accumulation of and toxicity effects imposed by trace metals. As an example, some species 

of sharks and skates were found to be 10 times more sensitive to toxicity effects from silver exposure (De 

Boeck et al., 2001; Webb and Wood, 2000) and accumulated 13 times more copper in gill tissues 
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compared to teleost fish (Grosell et al., 2003). However, there has not been a systematic review that 

reports trace metals concentrations found in batoids worldwide.  

Based on the reported Hg levels in batoids and teleost fishes, our survey revealed that average Hg 

concentrations were consistently higher in batoids compared to teleost fishes at similar trophic levels and, 

in some instances, comparable to levels found in top pelagic and benthic predators. In the Gulf of 

California, average Hg levels from 9 batoid species were found similar to those from 7 large pelagic 

teleosts (García-Hernández et al., 2007). When comparing fish of similar size, D. longa, Dasyatis brevis , 

and Rhinoptera steindachnerii presented higher, though not statistically significant, average Hg levels 

than those in the pelagic Indo-Pacific sailfish (Istiophorus platypterus), Blue marlin (Makaira mazara) 

and Wahoo (Acanthocybium solandri). These pelagic fishes are predators known to accumulate Hg to a 

great extent due to their upper-level position in the food web (Perelman et al., 2017; Rosas-Alayola et al., 

2002). Hg levels in batoids were in the same range compared to four grouper species inhabiting the deep-

water or shallow hard bottom reefs (García-Hernández et al., 2007). In another study, a remarkable result 

was found where U. halleri, a medium size invertebrate forager, presented the highest Hg levels among 

40 fish species of teleost and elasmobranchs (Jonathan et al., 2015). These authors attributed this high Hg 

levels to the proximity to bottom sediments and intrinsic physiological traits in elasmobranch taxa. 

Denton and Breck, (1981) reported average Hg levels in the demersal batoids G. australis, Himantura 

uarnak, Rynchobatus dijiddensis from northeastern Australia. Similar levels were found in teleost fishes 

of all comparable sizes, all of which were benthic carnivorous predators. In southeast Australia, a similar 

pattern was also found for M. australis, Urolophus sp. A. rostrata (Gibbs and Miskiewicz, 1995). In the 

Mediterranean Sea, specimens of Raja genus presented Hg levels comparable to demersal top predators 

(e.g. Lophius budegassa, Lepidopus caudatus and Conger conger) but lower than pelagic top predator 

Thunnus alalunga (Storelli et al., 2003b; Storelli, 2008). These findings suggest batoids inherit specific 

traits that are subject to accumulation of Hg in a greater extent than teleost fishes sharing similar diet and 

habitats. However, that hypothesis has not been tested and needs further investigation.  
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It is accepted that trophic position and feeding behavior are two common factors strongly related to Hg 

accumulation (Hall et al., 1997). Animal physiology and metabolism control elimination process and the 

accumulation rate of contaminants (Bradley et al., 2017; Trudel and Rasmussen, 1997). These are likely 

explanations for the apparent higher Hg levels in batoids relative to teleost with comparable diets. 

Organisms with a long lifespan associated with slow growth rates are known to present increased Hg 

levels in older/larger individuals (Dang and Wang, 2012). In addition, elasmobranchs present relatively 

large lipid-rich livers which result in greater bioaccumulation of lipophilic compounds that eventually 

accrues in muscle tissues due to sulfhydryl groups association to amino acids (Gelsleichter and Walker, 

2010).     

Geographic variation of Hg levels batoids 

Among reported trace metals, Hg was the only element with enough information to assess accumulation 

and distribution patterns in batoids from different areas.  

Figure 1.3 shows the comparison of Hg concentration in batoid species grouped by oceanic basins 

presenting at least ten Hg observations. Each area is composed of species feeding on various preys (e.g. 

crustacea, fish, mollusks, and zooplankton) in the benthic, benthopelagic, and pelagic habitats. The intra-

basin variability in habitat and main prey items is not strong enough to mask the observed differences 

among ocean basins.  The Mediterranean Sea is a semi-enclosed, Hg-enriched basin, a part of what was 

known as the Hg mineral belt (Rajar et al., 2007). Riverine inputs and anthropogenic emissions are the 

main sources of Hg in this basin (AMAP/UNEP, 2013). Rytuba (2003) showed that Mediterranean Sea 

coastal areas consistently accumulate recently formed submarine deposits enriched in Hg. Average Hg 

level in Torpedo and Raja genera in the Mediterranean Sea are four and three times higher, respectively, 

compared to the Pacific coast of Costa Rica. Sandoval-Herrera et al. (2016) attributed these differences to 

the deeper distribution of Torpedo population in the Mediterranean Sea (200 – 500 m depth compared to 

50 - 250 m in Costa Rica). Net production of methylated Hg forms occurs primarily in deep hypoxic 

waters and was found to be higher in the Mediterranean Sea compared to North Pacific basin (Horvat et 
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al., 2003; Sunderland et al., 2009). Moreover, foraging strategy may also explain the Hg content in marine 

fish. Lacerda et al., (2017) observed that prey type ingested, rather than depth-specific methyl-Hg 

production, can explain the higher Hg levels found in tuna species feeding at different depths in the 

Equatorial Atlantic Ocean. This is because deeper water populations are mostly composed of carnivorous 

species, whereas non-carnivorous prey species predominate in surface waters in their study areas.  

Two of the highest Hg levels surveyed in the present study were found in the Gulf of Trieste, Northern 

Adriatic Sea, an area heavily impacted by Hg mining contamination (Horvat et al., 2014). These authors 

found that the piscivorous species Pteroplatytrygon violacea presented average Hg levels roughly 4 times 

higher than Pteromylaeus bovinus foraging on benthic invertebrates in the same area. Even higher 

average Hg levels were found in demersal fish consumer Torpedo nobiliana from southern Adriatic Sea 

(Storelli et al., 2002b) despite the fact that Hg mining activities have had relatively small impacts in this 

area compared to northern Adriatic. In this case, differences in prey preference (deep-water vs. surface 

water preys) are likely the main driver of observed Hg contents. Also, these authors emphasize that 

predators closely associated with sediment and consuming a large amount of benthic fish are more 

susceptible to Hg accumulation than consumers of pelagic fish or benthic invertebrates (Storelli et al., 

2002b, 1998). In general, high regional Hg backgrounds and foraging in favor of benthic fish preys are 

likely causes of high Hg levels in batoid species in these areas. 

High average Hg levels were also observed in batoids from sites in the North Pacific basin (Fig. 1. 3), 

which includes sites in Costa Rica coast, Gulf of California and Baja in Mexico and Southern/Central 

California coast in the US. The highest Hg concentration in batoid species in this oceanic basin was 

observed in Dasyatis longa from Gulf of California (1.2 µg.g-1 w.w.) (Ruelas-Inzunza et al., 2013) though 

it was based on a single specimen. In contrast, García-Hernández et al., (2007) in the same area found an 

average Hg level of 0.7 ± 0.26 µg.g-1 w.w. for D. longa and with other batoid species presenting lower 

average Hg levels. The Gulf of California is impacted by a number of anthropogenic Hg sources, in order 

of importance, including gold mining and refining, Hg mining and refining, chloralkali industry, copper 
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smelting, residential combustion of wood, carboelectric plants and oil refining (Páez-Osuna et al., 2017). 

That shows there is an important source of Hg to this region, but trophic position and foraging habitat of 

local biota likely have major role in Hg accumulation as evidenced by the large variability among batoids 

species and teleost fishes with different life history traits (Escobar-Sanchez et al., 2014; García-

Hernández et al., 2007; Ruelas-Inzunza et al., 2008).  

The South Pacific and North Atlantic basins presented lower Hg levels on average compared to the 

Mediterranean and the North Pacific basins (Fig. 1. 3). All but one batoid species analyzed presented Hg 

levels lower than 0.24 µg.g-1. In one large female Rhinobatos armatus (>2m of body length) from 

Cleveland Bay, Australia, an extremely high Hg level (2.1 µg.g-1 w.w.) was found, which was comparable 

to the level found in sharks with similar sizes from the same area (Denton and Breck, 1981).  

The observed differences among oceanic basins are consistent with previous surveys of global Hg budgets 

in oceanic waters (Mason et al., 2012; Sunderland et al., 2009). However, results shown in Figure 1.3 

should be interpreted with caution because in our analysis, areas were not represented by the same species 

nor equal number of observations. Future studies need to consider potential interaction effects between 

interspecific variability in Hg uptake and locations once data become readily available. 

We further categorized specimens into juvenile and adult groups when size information was available. 

We did this by following criteria that separately consider minimum sizes of maturation for each species 

(Araújo et al., 2016; Babel, 1967; Bizzarro et al., 2007; Cicia et al., 2009; Clarke et al., 2014; Cuevas-

Zimbrón et al., 2011; Gadig et al., 2003; Jacobsen et al., 2009; Kyne and Bennett, 2002; López-García et 

al., 2012; McCully et al., 2012; Oddone and Velasco, 2004; Ramirez Mosqueda et al., 2012; Saglam and 

Ak, 2012; Smith et al., 2007; Timmons and Bray, 1997; Yeldan et al., 2009). This was consistent with 

previous findings where positive relationships between Hg levels and animal size have been reported in 

batoids (Escobar-Sanchez et al., 2014; Gutiérrez-Mejía et al., 2009; Law and Singh, 1991; Lyons et al., 

2017; Sandoval-Herrera et al., 2016). All these authors show that habitat use and ontogenetic diet shifts 

are the major factors explaining this positive correlation.  
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Ontogenetic shifts are common in elasmobranchs which often is complemented by changing foraging 

habitat and feeding behavior (Brickle et al., 2003; Grubbs, 2010). Adults present slower metabolism and 

lower elimination rates of metals compared to juveniles (Gutiérrez-Mejía et al., 2009). Finally, adult 

elasmobranchs tend to feed on larger preys and in higher quantities (Jacobsen and Bennett, 2013) which 

also contribute to greater bioaccumulation and higher Hg concentrations. 

Human exposure risk 

Essential and non-essential trace metals in batoids, except As and Hg, were found below maximum 

contamination safety limits for seafood consumption (USEPA, 2000). The maximum contamination limit 

established for inorganic As is 0.13 µg.g-1 in edible fish tissues (USEPA, 2000). This is the most 

conservative limit to avoid potential toxic effects induced by As inorganic forms (e.g. arsenite – As(III) 

and arsenate – As(V)). In the present survey, the average total As in muscle tissues of batoids was 20.9 ± 

19.6 µg.g-1 w.w. (Table 1.1), which is above the safety threshold. However, total As includes organic and 

inorganic fractions of this element. A major fraction of total As is in harmless organic As forms (e.g. 

arsenobetaine, arsenocholine, and tetramethylarsonium ion). De Gieter et al., (2002) assessed As 

speciation in 29 fish species from the North Sea and found an inorganic fraction variation from <1% to 

9%. Among these fishes, elasmobranchs (e.g. Scyliorhinus canicular and R. clavata) presented two of the 

three highest levels of total As. Nevertheless, the inorganic fraction in these species was less than ~2%, 

the lowest fraction among all fish species studied by these authors. Assuming an inorganic fraction as low 

as 2% and an average total As concentration of 20.9 µg.g-1, we calculated that batoids surveyed in our 

study present 0.418 µg.g-1 of inorganic As, which is roughly 3 times higher than the safety threshold 

established by USEPA.     

In comparison, toxic effects associated with Hg contamination comes from exposure to its organic form, 

methylmercury (Methyl-Hg), rather than Hg inorganic forms (e.g. Hg2+ and Hg0) (Mason et al., 2012). 

The great affinity of Methyl-Hg to lipids results in long-term accumulations in biological tissues and 

deleterious effects from exposure even to relatively low environmental concentrations (Depew et al., 
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2012; Fitzgerald et al., 2007). In the present study, the proportion of Methyl-Hg in surveyed batoids 

ranged from 71.6% to 100% (with a mean of 92.8 ± 9.4%) in muscle, 48% to 100% (78 ± 20.8%) in liver 

and 71% to 90% (83.8 ± 7.6%) in gill tissues (Baeyens et al., 2003; Horvat et al., 2014; Storelli et al., 

2003b, 2003a, 2002b). The proportion of organic Hg in fish is largely related to feeding habit and age (de 

Pinho et al., 2002), but also strongly influenced by background levels (Lacerda et al., 2014), local 

geochemistry nature of Hg-associated particles (Lacerda et al., 2007) and phytoplankton assimilation 

processes occurring in the base of the food web (Mason et al., 1995). Reported Methyl-Hg levels in 

batoids were comparable with upper-level predatory fishes, such as tuna (Storelli et al., 2002a), mackerel 

(Hajeb et al., 2010) and sharks (De Carvalho et al., 2014). Therefore, we assume a large proportion of the 

total Hg in batoids compiled in the present study is Methyl-Hg and, thus toxic to the animal and its 

consumers.  

The maximum total Hg contamination limits for safety consumption is 1.0 µg Hg g-1 for predatory fish 

species (FAO/WHO, 2011; USEPA, 2000). Average Hg concentration found in the present study was 

below this limit (0.34 ± 0.43 µg.g-1 w.w.). However, Hg levels varied greatly among batoid species (Fig. 

1. 4), with 18% of surveyed species presenting average Hg levels above the safety limit. Among those, 

Leucoraja circulares, P. bovinus, R. clavata, Raja miraleus, Raja oxyrhynchus, and T. nobiliana were 

captured in the Mediterranean Sea; D. longa and Torpedo peruana, were captured in the North Pacific; 

and R. armatus was captured in the South Pacific.  

Although the worldwide safety limit of 1.0 µg Hg g-1 targets to protect humans against Hg exposure, 

having Hg levels below that threshold does not mean neither the animal nor human consumers are free of 

risk of experiencing toxicity effects. Recent assessments of Hg toxicity in fish estimated a lowest 

observable adverse effect level (LOAEL) of about 0.5 µg Hg g-1 w.w. in muscle tissues of freshwater and 

marine fish (Depew et al., 2012; Dillon et al., 2010; Scheuhammer et al., 2015). That means deleterious 

effects to the fish has been observed under Hg concentrations at this level. Moreover, surveys in the 

Amazon region observed an impairment of visual capability in a riverine human population with no direct 
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contact with Hg contamination (e.g. gold mining) (Feitosa-Santana et al., 2018). These communities have 

a diet largely based on fish presenting generally lower-than-LOAEL average Hg concentrations 

(Azevedo-Silva et al., 2016). If we consider a LOAEL of 0.5 µg Hg g-1, 32% of batoid species surveyed 

in the present study are at potential risk of adverse effects which may also impair the health of human 

consumers.     

POPs contamination 

The very limited information on POPs contamination in batoids prevented us to observe potential trends 

with respect to oceanic basins, foraging habitat, gender or animal size.  In general, animal size and lipid 

content are good  predictors of PCB variations in some teleost fishes (Gewurtz et al., 2011; Rasmussen et 

al., 2014). However, positive correlations between animal size and PCB levels is not always observed and 

trophic ecology seems to be another important factor. As an example, a positive relationship between 

PCBs levels and animal size has been observed more consistently in upper-level consumers, but not in  

lower level consumers in freshwater fish species (Gewurtz et al., 2011). In the batoid species U. halleri, 

PCBs, DDTs and CHLs concentrations were shown to increase with size but with different slopes in 

males (higher) and females (lower) which the authors discuss as a result of  maternal offloading of 

contaminants as an elimination route in females (Lyons et al., 2014; Lyons and Lowe, 2013). A similar 

result was observed in dolphins where PCBs levels increased with age in males but not in females, 

highlighting maternal offloading as an important depuration pathway of POPs (Wells et al., 2005). In 

addition, POP accumulation in U. halleri were found to vary by location, sex and age suggesting that 

similar to Hg, several factors influence POP uptake and accumulation patterns in this species and likely 

other batoids (Lyons et al., 2014).  

Regarding food safety, US EPA's (2000) recommends maximum limits (expressed in a wet weight basis 

for edible tissues) of 0.38 mg.kg-1, 0.94 mg.kg-1 and 9.4 mg.kg-1, for total PCBs, DDTs and CHLs, 

respectively. In the present survey, DDT and CHL levels were always below the safety limits. However, 

87.5% of total PCB levels in liver tissue surveyed in the present study exceeded this safety limit. Those 
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samples were juvenile and adult specimens of U. halleri from Southern California coast and D. sabina 

from Florida coastal lagoons in the USA (Lyons et al., 2014; Sawyna et al., 2017; Weijs et al., 2015). For 

edible tissues, such as muscle, 50% of total PCBs levels surveyed in the present study exceeded the safety 

limits for human consumption (Gassel et al., 2013; Johnson-Restrepo et al., 2005; Storelli, 2008). In 

Southern California coastal areas, 12 fish species, including batoid species R. productus, are currently 

under restricted consumption advisory due to PCBs contamination (OEHHA, 2009). Weijs et al. (2015) 

also reported high PCB levels in both liver and muscle tissues of shark species (e.g. Carcharhinus leucas, 

Negaprion brevirostris and Sphyrna tiburo) in Florida’s coastal lagoons. They found that POPs were 

more commonly observed in species of higher trophic levels while low trophic level species (e.g. D. 

sabina) had fewer compounds detected. They attributed these differences to a combination of factors 

including biomagnification, species-specific feeding ecologies and diet, and metabolic traits of sharks and 

rays.  

Johnson-Restrepo et al., (2005) found average ΣPCB levels in D. sabina to be higher than in silver perch 

(Bairdiella chrysoura, carnivorous diet) and striped mullet (Mugil cephalus, herbivore diet) but lower 

than spotted seatrout (Cynoscion nebulosus, carnivorous diet), red drum (Sciaenops ocellatus, carnivorous 

diet), and hardhead catfish (Ariopsis felis, carnivorous diet). In general, our survey suggest that, compared 

to teleosts, batoids are particularly subjected to accumulation of contaminants mostly due to their close 

association with sediments, but also because of their feeding ecology associated to varied prey types and 

elasmobranch physiology that seems to favor accumulation of contaminants (De Boeck et al., 2001; 

Grosell et al., 2003; Webb and Wood, 2000). However, that hypothesis was not tested in the present study 

and requires further investigations.  

An assessment of PFAS contamination, which has no established maximum safety limit for fish 

consumption, showed that levels in D. americana are among the highest of a fish assemblage including 

predator teleost fishes and sharks (Senthil Kumar et al., 2009). Among PFA substances, Perfluorooctane 

sulfonate (PFOS) is one of the most widely detected in biological samples (Houde et al., 2006) and was 
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the main compound found in livers of batoid species surveyed in the present study (Baduel et al., 2014; 

Senthil Kumar et al., 2009).  

Considering POP levels in muscle tissues, Johnson-Restrepo et al. (2005) reported PCB levels in D. 

americana as among the lowest of all organisms including teleost fishes, sharks, and dolphins. These 

authors highlight that organochlorine uptake is associated to feeding behavior and habitat use, while 

contaminant accumulation is a tissue-specific process controlled by the metabolic and physiological traits 

of the organism. This general principle can explain higher POP levels in batoids liver compared to muscle 

tissues (Johnson-Restrepo et al., 2005; Senthil Kumar et al., 2009).    

Information on POP contamination levels in batoids is very limited and values are reported over a wide 

range. Table S1.2 shows specific congeners/compounds in reported POP levels in batoids. This table 

presents an example of the complexity in reporting POPs, making it very difficult for cross comparison 

among studies. For instance, PCB is the most reported organic contaminant in batoids. However, studies 

do not always report comparable PCB congeners. PCBs are synthetic chlorinated aromatic hydrocarbons 

composed of one to ten chlorine atoms resulting in 209 compounds with different molecular configuration 

and toxicity. Among these, twelve dioxin-like compounds (77, 81, 105, 114, 118, 123, 126, 156, 157, 

167, 169, 189) are recognized as the most toxic to biota (U.S. EPA, 2008). Therefore, direct comparisons 

among species and areas for total PCB levels summed from varied congeners mixtures may lead to 

unclear or misleading results (Batang et al., 2016). In the present survey, compound-specific PCB levels 

were rarely reported and total PCB levels varied greatly among studies. In addition, levels of CHLs and 

DDTs are sometimes summed together and presented as total pesticides concentrations which further 

complicate comparisons among studies. 

Exposure effects of POPs and trace metal on batoids 

The clearnosed skate, Leucoraja erinacea, and the Yellow stingray, Urolophus jamaicensis, were the only 

batoid species in which acute exposure was assessed (Dwivedi and Trombetta, 2006; Grosell et al., 2003). 
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In R. erinacea, acute exposure to Cu produced alterations of plasma total ammonia but had no effect on 

plasma electrolytes or Na/K- ATPase enzyme activity (Grosell et al., 2003). In contrast, in U. 

jamaicensis, acute exposure to TBTO resulted in altered behavior and produced stress responses 

measured by Hsp70 and HO1 proteins expression (Dwivedi and Trombetta, 2006). Two other species, the 

Atlantic stingray, Dasyatis sabina (former Dasyatis sabina), and the Round stingray, U. halleri, were 

used to assess the exposure effects of PCBs, DDTs, CHLs and other chlorinated contaminants in the wild. 

In U. halleri, increased EROD and CYP1A enzymes activities corresponded to higher levels of 

organochlorine compounds (Lyons et al., 2014). Similar correspondence was also found for measured cell 

proliferation and phagocytosis in whole blood (Sawyna et al., 2017). In contrast, despite the high 

organochlorine accumulation found in D. sabina specimens from two contaminated coastal lakes, the 

authors found no evidence of impaired reproductive parameters and no clear association with the 

observed endocrine dysfunction (Gelsleichter et al., 2006). Clearly, there is a need for more research on 

exposure effects of trace metal and POPs in batoid species as the limited evidence shows contrasting 

results for trace metal and POPs exposure. Future studies should employ comparable biomarkers such as, 

leukocytes counting and/or EROD activity and CYP1A mRNA expression to allow interpretation of 

exposure effects across species. In addition, to better represent real conditions, studies should focus on 

effects of chronic exposure to environmentally relevant levels of pervasive contaminants, including Hg, 

As and PCBs, that were observed in the present survey to exceed the action limits in many batoid species.  

Conclusion 

We found batoids accumulating a wide range of trace metals, including mercury (Hg), arsenic (As), lead 

(Pb), copper (Cu), cadmium (Cd) and zinc (Zn) in our survey. These findings likely represent a common 

pattern in the upper trophic position of most batoid species in coastal and demersal habitats. Mercury is 

the most reported contaminant in batoids ranging from moderate to high levels in edible tissues. We 

found notable differences in batoids Hg levels when the aggregated data were compared among: 1) ocean 

basins, 2) main prey items, and 3) foraging habitats. Batoids of high Hg levels were mostly associated 
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with habitats affected by natural Hg-rich backgrounds and anthropogenic Hg emissions. These findings 

were consistent with global Hg budgets in oceanic waters (Mason et al., 2012; Sunderland et al., 2009). 

Unfortunately, a very limited number of published studies prohibited us from performing meaningful 

statistical analysis on other trace metals and POPs. Future studies should be encouraged to report 

contamination loadings in batoids including trace metals besides Hg.  

The published data on POPs contamination in batoid taxa are still very limited and for the most part, 

inconsistent in the way data were reported to draw general patterns. Our findings point to increased 

susceptibility of contaminant accumulation in batoids because of elasmobranch-specific 

physiological/metabolic traits that apparently enhance the accumulation of lipophilic contaminants. This 

hypothesis has not been tested and needs further investigation in future studies.  

Regarding human exposure to contaminants by consumption of batoids, our survey showed that 

contamination levels are generally below recommended safety limits for most contaminants in most 

species reported. It is advisable, however, to use caution when consuming batoids inhabiting 

contaminated areas as some species surveyed in the present study were observed to accumulate above-

the-limit levels of Hg, As and ΣPCB.  

 



 

Table 1.1 – Contamination levels (µg.g-1) of most reported trace metals in muscle and liver tissues of batoids. Concentration means 
were calculated from levels reported in the literature and are shown on a wet weight basis.   

Trace metal d Tissue (n) Mean ± SE (range) 
Total species 

reported 
Species with lowest / highest levels 

Hg Muscle a (n = 122) 0.35 ± 0.43 (< L.D.c – 2.4) 48 Manta alfredi / Torpedo nobiliana 
 Liver b (n = 29) 0.32 ± 0.79 (0.01 – 4.4) 19 Raja clavata / Rhinobatos armatus 

As Muscle a (n = 61) 20.9 ± 19.6 (0.1 – 94) 10 Manta alfredi / Pteromylaeus bovinus 
 Liver (n =29) 7.4 ± 3.5 (2.4 – 16.5) 5 Pteromylaeus bovinus 

Pb Muscle a (n = 51) 0.31 ± 0.24 (0.01 – 1.1) 19 Aptychotrema rostrata / Manta alfredi 
 Liver (n = 17) 0.76 ± 0.38 (0.03 – 1.3) 12 Raja fyllae / Gymnura altavela 

Cu Muscle a (n = 23) 0.74 ± 0.43 (0.12 – 1.4) 16 Aptychotrema rostrate / Raja radula 
 Liver b (n = 18) 5.24 ± 5.51 (1.1 – 16.5) 11 Dasyatis pastinaca / Raja clavata 

Cd Muscle a (n = 55) 0.06 ± 0.06 (0.03 – 0.2) 21 Myliobatis australis / Mobula japanica 
 Liver b (n = 19) 0.32 ± 0.23 (0.1 – 0.8) 12 Raja clavata 

Zn Muscle a (n = 25) 7.2 ± 2.8 (1.7 – 9.1) 18 Rhynchobatus australiae / Raja miraletus 
 Liver b (n = 18) 14.4 ± 6.2 (5.7 – 29.9) 11 Dasyatis pastinaca / Raja clavata 

a Muscle concentrations were converted to wet weight assuming a moisture content of 74% (Escobar-Sánchez et al., 2016).  
b Liver concentrations were converted to wet weight assuming genus-specific moisture content (Sellami et al., 2018; Tufan et al., 2013).  
c Limit of detection (L.D.) = 0.004 µg.g-1 (Ooi et al., 2015).  
d See Table S1 for included references. 
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Figure 1.1 – Number of studies on environmental contamination in batoids categorized by 
type of contaminant reported. Black bars denote total number of papers published at the 

respective year period. 
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Figure 1. 2 – Boxplot of Hg levels in batoids categorized by (a) main prey item, (b) foraging habitat, (c) sex and (d) sub-order. 
Asterisks denotes statistical significant differences (**0.01). 
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Figure 1. 3 – Boxplot of Hg concentration in muscles of batoid species from major ocean basins. Pooled data include all reported 
species from each region. Asterisks indicate statistically significant differences (***0.001). 
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Figure 1. 4 – Hg contamination range reported in batoid species worldwide. The solid line indicates US EPA's recommendation for 
maximum safety consumption. The dashed line indicates the lowest observable adverse effect level (LOAEL) for freshwater and 

marine fish (Depew et al., 2012; Dillon et al., 2010; Scheuhammer et al., 2015). 
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CHAPTER 1 – SUPPLEMENTAL MATERIAL 



 

Table S1.1 – List of batoids species along with analyzed pollutant, area of study and references. 

Species Pollutants a Study area References 
Aetobatus narinari POPs  PFASs South Pacific (Baduel et al., 2014) 

Aptychotrema rostrata POPs  
Trace metals 

HCB, CHLs, DDTs, Dieldrin 
Hg, As, Cd, Pb, Cr, Cu, Zn, Se 

South Pacific (Gibbs and Miskiewicz, 1995; Miskiewicz and 
Gibbs, 1994) 

Bathyraja spinicauda Trace metals Hg, Cd, Pb, Cu, Ni, Zn Barents Sea (Zauke et al., 1999) 

Dasyatis americana POPs  PFASs North Atlantic (Senthil Kumar et al., 2009) 

Dasyatis dipterura / brevi Trace metals  Hg North Pacific (García-Hernández et al., 2007; Ruelas-Inzunza et al., 
2013) 

Dasyatis centroura Trace metals Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean (Türkmen et al., 2014) 

Dasyatis fluviorum POPs  PFASs South Pacific (Baduel et al., 2014) 

Dasyatis guttata Trace metals  Hg South Atlantic (Lacerda et al., 2016) 

Dasyatis longa Trace metals  Hg North Pacific (García-Hernández et al., 2007; Ruelas-Inzunza et al., 
2013) 

Dasyatis pastinaca Trace metals  Hg, As, Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean (Horvat et al., 2014; Türkmen et al., 2014, 2013) 

Dasyatis sabina POPs PCBs, CHLs, DDTs, Dieldrin  North Atlantic (Gelsleichter et al., 2006; Johnson-Restrepo et al., 
2005; Weijs et al., 2015) 

Dasyatis violacea Trace metals  Hg Mediterranean (Horvat et al., 2014) 

Gymnura altavela Trace metals  Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn  Mediterranean (Türkmen et al., 2013) 

Gymnura australis Trace metals  Hg South Pacific (Denton and Breck, 1981) 

Gymnura marmorata Trace metals  Hg North Pacific (García-Hernández et al., 2007; Ruelas-Inzunza et al., 
2013) 

Himantura astra POPs  PFASs South Pacific (Baduel et al., 2014) 

Himantura toshi POPs  PFASs South Pacific (Baduel et al., 2014) 

Himantura uarnak POPs  
Trace metals 

PFASs 
Hg 

South Pacific (Baduel et al., 2014; Denton and Breck, 1981) 

Leucoraja circularis Trace metals  Hg Mediterranean (Storelli et al., 1998) 

Leucoraja erinacea Trace metals  Hg, As North Atlantic (Taylor et al., 2014) 

Leucoraja naevus Trace metals  Hg North Atlantic (Chouvelon et al., 2012) 

Leucoraja ocellata Trace metals  Hg North Atlantic (Taylor et al., 2014; USEPA, 2013) 

Manta alfredi Trace metals  Hg, As, Cd, Pb South Pacific (Ooi et al., 2015) 

Manta birostris Trace metals  Pt, Pd, Rh North Atlantic (Essumang, 2010) 

Mobula japanica Trace metals  Hg, As, Cd, Pb Laccadive Sea 
North Pacific 

(Escobar-Sanchez et al., 2014; Ooi et al., 2015) 

Mobula munkiana Trace metals  Hg North Pacific (Escobar-Sanchez et al., 2014) 

s Trace metals  Hg North Pacific (Escobar-Sanchez et al., 2014) 

Myliobatis aquila Trace metals  Hg, As Mediterranean (Horvat et al., 2014; Šlejkovec et al., 2014; Storelli et 
al., 2002)  

Myliobatis australis POPs 
Trace metals  

HCB, CHLs, DDTs, Dieldrin  
Hg, As, Cd, Pb, Cr, Cu, Zn, Se 

South Pacific (Gibbs and Miskiewicz, 1995; Miskiewicz and 
Gibbs, 1994) 

Myliobatis californica Trace metals  Hg North Pacific (García-Hernández et al., 2007; Johnson et al., 2009) 
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Table S1.1 – Cont. 

Species Pollutants a Study area References 
Myliobatis goodei Trace metals  Hg, Cd, Zn South Atlantic (Marcovecchio et al., 1988) 

Narcine entemedor Trace metals  Hg North Pacific (García-Hernández et al., 2007; Ruelas-Inzunza 
et al., 2013) 

Neotrygon kuhlii POPs  PFASs South Pacific (Baduel et al., 2014) 

Platyrhinoidis triseriata Trace metals  Hg North Pacific (van Hees and Ebert, 2017) 

Pteromylaeus bovinus Trace metals  Hg, As, Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean (Horvat et al., 2014; Šlejkovec et al., 2014; 
Türkmen et al., 2013) 

Pteroplatytrygon violacea Trace metals  As Mediterranean (Šlejkovec et al., 2014) 

Raja asterias Trace metals  Hg Mediterranean (Storelli, 2008; Storelli et al., 2007, 2003a, 
2003b, 1998) 

Raja clavata POPs 
Trace metals  

PCBs 
Hg, As, Cd, Pb, Co, Cr, Co, Fe, Mn, Ni, Zn, Se, Rb, Sr 

Mediterranean, 
North Sea and 
North Atlantic 

(Baeyens et al., 2003; Chouvelon et al., 2012; 
De Gieter et al., 2002; Dixon and Jones, 1994; 
Storelli, 2008; Storelli et al., 2003b, 1998; 
Torres et al., 2016; Türkmen et al., 2014, 2013) 

Raja fyllae Trace metals  Hg, Cd, Pb, Cu, Ni, Zn North Sea 
Barents Sea 

(Mormede and Davies, 2001; Zauke et al., 
1999) 

Raja kenojei Trace metals Hg, As, Cd, Pb, Co, Cr, Cu, Mn, Zn, V, Se, Rb, Sr, 
Mo, Ag, In, Sn, Sb, Cs, Ba, Tl, Bi 

North Pacific (Asante et al., 2008) 

Raja kwangtungensis Trace metals Hg, As, Cd, Pb, Co, Cr, Cu, Mn, Zn, V, Se, Rb, Sr, 
Mo, Ag, In, Sn, Sb, Cs, Ba, Tl, Bi 

North Pacific (Asante et al., 2008) 

Raja microocellata Trace metals  Hg North Atlantic (Chouvelon et al., 2012) 

Raja miraletus POPs 
Trace metals  

PCBs 
Hg, As, Cd, Pb, Co, Cr, Co, Cu, Fe, Mn, Ni, Zn 

Mediterranean (Storelli, 2008; Storelli et al., 2003b, 1998, 
Türkmen et al., 2014, 2013) 

Raja oxyrhynchus Trace metals  Hg Mediterranean (Storelli et al., 2003b, 1998) 

Raja radiata Trace metals Hg, Cd, Pb, Cu, Ni, Zn Barents Sea (Joiris et al., 1997; Zauke et al., 1999) 

Raja radula Trace metals  Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean (Türkmen et al., 2014, 2013) 

Raja velezi Trace metals  Hg North Pacific (Ruelas-Inzunza et al., 2013; Sandoval-Herrera 
et al., 2016) 

Rhinobatos armatus Trace metals  Hg South Pacific (Denton and Breck, 1981) 

Rhinobatos glaucostigma Trace metals  Hg North Pacific (García-Hernández et al., 2007) 

Rhinobatos productus POPs 
Trace metals  

PCBs, CHLs, DDTs 
Hg, As 

North Pacific (García-Hernández et al., 2007; Gassel et al., 
2013; Ruelas-Inzunza et al., 2013) 

Rhinoptera steindachneri Trace metals  Hg, As North Pacific (Escobar-Sanchez et al., 2014; García-
Hernández et al., 2007; Gutiérrez-Mejía et al., 
2009) 

Rhynchobatus australiae Trace metals Hg, Cd, Pb, Cu, Zn China Sea (Ong and Gan, 2017) 

Rynchobatus djiddensis Trace metals  Hg South Pacific (Denton and Breck, 1981) 

Sympterygia bonapartei Trace metals  Hg, Cd, Zn South Atlantic (Marcovecchio et al., 1988) 

Torpedo marmorata Trace metals  Hg, Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean 
North Atlantic 

(Chouvelon et al., 2012; Türkmen et al., 2014) 
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Table S1.1 – Cont. 

Species Pollutants a Study area References 
Torpedo nobiliana Trace metals  Hg, Cd, Pb, Co, Cr, Cu, Fe, Mn, Ni, Zn Mediterranean (Storelli et al., 2002; Türkmen et al., 2014) 

Torpedo peruana Trace metals  Hg North Pacific (Sandoval-Herrera et al., 2016) 

Urobatis halleri POPs 
Trace metals  

PCBs, CHLs, DDTs 
Hg 

North Pacific (Gassel et al., 2013; Jonathan et al., 2015; 
Lyons et al., 2017, 2014; Lyons and Lowe, 
2013; Ruelas-Inzunza et al., 2013; Sawyna et 
al., 2017) 

Urolophus sp. Trace metals  Hg North Pacific (Ruelas-Inzunza et al., 2013) 

Urolophus kapalensis POPs 
Trace metals  

HCB, CHLs, DDTs, Dieldrin 
Hg, As, Cd, Pb, Cr, Cu, Zn, Se 

South Pacific (Gibbs and Miskiewicz, 1995; Miskiewicz and 
Gibbs, 1994) 

Urotrygon chilensis Trace metals  Hg North Pacific (Ruelas-Inzunza et al., 2013) 

Zapteryx exasperata Trace metals  Hg North Pacific (García-Hernández et al., 2007; Ruelas-Inzunza 
et al., 2013) 

Zapteryx xyster Trace metals  Hg North Pacific (Sandoval-Herrera et al., 2016) 
a Pollutant acronym - Perfluoroalkyl substances (PFASs); hexachlorobenzene (HCB); Chlordanes (CHLs); dichlorodiphenyltrichloroethane (DDTs); 
polychlorinated biphenyls (PCBs). 
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Table S1.2 – Specific POPs compounds and/or congener groups analyzed in batoids. 

 Congener group (ID#) or Compound name References 
    

PCBs Tri (18, 28); tetra (44, 47, 49, 52, 66, 74); penta (87, 95, 99, 101, 105, 110, 118); hexa (128, 132, 138, 146, 149, 151, 
153, 156, 167); hepta (170, 171, 172, 174, 177, 180, 183, 187); octa (194, 195, 196, 199, 203); nona (206); deca 
(209).  

(Weijs et al., 2015) 

 Tri (28, 31, 33); tetra (44, 49, 52, 56, 66, 70, 74, 81); penta (87, 97, 99, 101, 105, 110, 114, 118, 123, 126); hexa 
(128, 138, 141, 149, 153, 156, 157, 158, 167, 169); hepta (170, 174, 177, 180, 183, 187, 189); octa (194, 195, 201); 
nona (206); deca (209). 

(Lyons et al., 2014) 

 Tri (28); tetra (56, 60, 66, 70, 74); penta (99, 101, 105, 110, 118); hexa (128, 138, 141, 149, 153, 156, 157, 158, 167); 
hepta (170, 174, 180, 183, 187, 189); octa (194, 195, 199, 200, 201); nona (207); deca (209). 

(Sawyna et al., 2017) 

 a Tri; tetra; penta; hexa; hepta; octa; nona.  (Lyons and Lowe, 2013) 

 a Tri; tetra; penta; hexa; hepta; octa; nona; deca. (Johnson-Restrepo et al., 
2005) 

 Not specified. (Gelsleichter et al., 2006) 

   

DDTs o,p’-DDE; p,p’-DDE; o,p’-DDD; p,p’-DDD; o,p’-DDT; p,p’-DDT (Gelsleichter et al., 2006; 
Lyons et al., 2014; Lyons and 
Lowe, 2013; Weijs et al., 
2015) 

 p,p’-DDE; p,p’-DDD; p,p’-DDT (Miskiewicz and Gibbs, 
1994) 

 p,p’-DDE 
 

(Sawyna et al., 2017) 

   

CHLs Oxychlordane; trans-chlordane; cis-chlordane; trans-nonachlor. (Lyons et al., 2014) 

 Oxychlordane; trans-chlordane; cis-chlordane. (Lyons and Lowe, 2013) 

 Oxychlordane; trans-chlordane; cis-chlordane; heptachlor; heptachlor epoxide; cis-nonachlor; trans-nonachlor. (Gelsleichter et al., 2006) 

 Oxychlordane; heptachlor; heptachlor epoxide. (Miskiewicz and Gibbs, 
1994) 

 Hexachlorobenzene; trans-chlordane; cis-chlordane; cis-nonachlor; trans-nonachlor. (Sawyna et al., 2017) 

   

PFASs Perfluorohexanoate (PFHxA); perfluoroheptanoate (PFHpA); perfluorooctanoate (PFOA); perfluorononanoate 
(PFNA); perfluorodecanoate (PFDA); perfluoroundecanoate (PFUnDA); perfluorododecanoate (PFDoDA); 
perfluorotridecanoate (PFTrDA); perfluorohexanesulfonate (PFHxS); perfluorooctane sulfonate (PFOS). 

(Baduel et al., 2014) 

 Perfluorohexanoate (PFHxA); perfluoroheptanoate (PFHpA); perfluorooctanoate (PFOA); perfluorononanoate 
(PFNA); perfluorododecanoate (PFDoDA); perfluorohexanesulfonate (PFHxS); Perfluorooctane sulfonate (PFOS); 
perfluorooctane sulfonate isomer (Is-PFOS); perfluorobutanesulfonate (PFBS); tetrahydroperfluorooctanesulfonate 
(THPFOS); perfluorodecanesulfonate (PFDS); perfluoropentanoic acid (PFPeA); perfluoroundecanoic acid 
(PFUnA); perfluorododecanoic acid (PFDoA); n-ethylperfluoro-1-octanesulfonamidoacetic acid (N-EtFOSAA); n-
methylperfluoro-1-octanesulfonamidoacetic acid (N-MeFOSAA); 2H-perfluoro-2-octenoic acid (6:2 FTUCA); 2H- 
perfluoro-2-decenoic acid (8:2 FTUCA); 2H-perfluoro-2-dodecenoic acid (10:2 FTUCA); perfluoroheptanesulfonate 
(PFHpS); perfluoropentanesulfonate (PFPeS); perfluorononanesulfonate (PFNS). 

(Senthil Kumar et al., 2009) 

a Congener identification number not specified.
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Table S1.3 –Habitat zone and main prey items of batoid species included in statistical analysis  

Species Main prey item Habitat zone References 

Dasyatis guttata Crustacea benthic (Jacobsen and Bennett, 2013) 

Dasyatis longa Crustacea benthic (Jacobsen and Bennett, 2013) 

Dasyatis pastinaca Crustacea benthic (Jacobsen and Bennett, 2013) 

Dasyatis violacea Fish Pelagic (Jacobsen and Bennett, 2013; Lipej et al., 2013) 

Gymnura australis Fish Benthopelagic (Jacobsen et al., 2009; Jacobsen and Bennett, 2013) 

Gymnura marmorata Fish Benthopelagic (Jacobsen and Bennett, 2013) 

Himantura uarnak Fish Benthopelagic (Jacobsen and Bennett, 2013) 

Hypanus dipterura Crustacea Benthic (Jacobsen and Bennett, 2013) 

Manta alfredi Zooplankton Pelagic (Couturier, 2013) 

Mobula japanica Zooplankton Pelagic (Jacobsen and Bennett, 2013; Rohner et al., 2017) 

Mobula munkiana Zooplankton Pelagic (Jacobsen and Bennett, 2013; Rohner et al., 2017) 

Mobula thurstoni Zooplankton Pelagic (Jacobsen and Bennett, 2013; Rohner et al., 2017) 

Myliobatis aquila Mollusk Benthic (Jacobsen and Bennett, 2013; Jardas et al., 2004) 

Myliobatis australis Mollusk Benthic (Jacobsen and Bennett, 2013; Sommerville et al., 2011) 

Myliobatis californica Mollusk Benthic (Gray et al., 1997; Jacobsen and Bennett, 2013) 

Myliobatis goodei Mollusk Benthic (Molina and Lopez Cazorla, 2015) 

Pteromylaeus bovinus Mollusk Benthic (Jacobsen and Bennett, 2013) 

Rhinoptera steindachneri Invertebratea Benthic (Bizzarro, 2005; Jacobsen and Bennett, 2013) 

Urobatis halleri Crustacea Benthic (Jacobsen and Bennett, 2013) 

Urolophus kapalensis Crustacea Benthic (Jacobsen and Bennett, 2013) 

Urotrygon chilensis Invertebratea Benthic (Jacobsen and Bennett, 2013) 

Leucoraja erinacea Crustacea Benthic (Ebert and Bizzarro, 2007) 

Leucoraja naevus Fish Benthopelagic (Barría et al., 2015) 

Leucoraja ocellata Fish Benthopelagic (Ebert and Bizzarro, 2007) 

Narcine entemedor Invertebratea Benthic (Jacobsen and Bennett, 2013) 

Raja asterias Crustacea/Fish Benthopelagic (Yemışken et al., 2017) 

Leucoraja circularis Crustacea Benthic (Stehmann and Bürkel, 1984) 

Raja clavata Crustacea/Fish Benthopelagic (Yemışken et al., 2017) 

Raja fyllae Crustacea Benthic (Ebert and Bizzarro, 2007) 
a Invertebrates (other than elsewhere specified), includes unidentified invertebrates and insects. 
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Table S1.3 – Cont. 

Species Main prey item Habitat zone References 

Raja microocellata Crustacea/Fish Benthopelagic (Ebert and Bizzarro, 2007) 

Raja miraletus Crustacea Benthic (Ebert and Bizzarro, 2007) 

Raja oxyrhynchus Crustacea Benthic (Anastasopoulou et al., 2018) 

Raja radiata Crustacea/Fish Benthopelagic (Dolgov, 2005) 

Raja velezi Crustacea/Fish Benthopelagic (Espinoza et al., 2012) 

Sympterygia bonapartei Mollusk Benthic (Penchaszadeh et al., 2006) 

Aptychotrema rostrata Crustacea Benthic (Kyne and Bennett, 2002) 

Rhinobatos armatus Crustacea Benthic (Vaudo, 2011) 

Rhinobatos glaucostigma Crustacea Benthic (Lara-Mendoza et al., 2015) 

Rhinobatos productus Crustacea Benthic (Valenzuela-Quiñonez et al., 2017) 

Rynchobatus djiddensis  Crustacea Benthic (Borrell et al., 2011) 

Rhynchobatus australiae Crustacea Benthic (Last et al., 2010) 

Zapteryx exasperata Fish Benthopelagic (Blanco-Parra et al., 2012) 

Zapteryx xyster Crustacea/Fish Benthopelagic (Espinoza et al., 2013) 

Torpedo marmorata Fish Benthopelagic (Barría et al., 2015) 

Torpedo nobiliana Fish Benthopelagic (Barría et al., 2015) 

Torpedo peruana Fish Benthopelagic (Espinoza et al., 2015) 
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Table S1.4 – Generalized Linear Models (Gamma distribution) of Hg concentration in batoids explained by oceanic basin of occurrence (“Area”), 
main prey item in diet (“Prey”), foraging habitat (“Habitat”), and taxonomic classification (“Sub order”). Models are ranked by Akaike 
Information Criterion (AIC). Best models are shown first.   

Gamma model  AIC ΔAIC 
~ Area + Prey -58.1 0 
~ Area + Habitat + Prey -56.4 1.7 
~ Area + Prey + Sub order -55.9 2.2 
~ Area + Habitat + Prey + Sub order -55.7 2.4 
~ Area + Habitat  -41.9 16.2 
~ Area + Habitat + Sub order -39.2 18.9 
~ Prey + Sub order -37.6 20.5 
~ Prey -33 25.1 
~ Habitat + Prey -31.7 26.4 
~ Area -31.4 26.7 
~ Area + Sub order -27.8 30.3 
~ Habitat + Sub order -19.1 39 
~ Habitat -16 42.1 
~ Sub order -2.8 55.3 55  
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Abstract 

Aquatic pollution is known to reduce biodiversity and disrupt wildlife populations. Mercury (Hg) 

pollution is pervasive worldwide, contributing to the degradation of ecosystems, and causing deleterious 

effects to exposed organisms and populations. Batoids have a life history linked to the benthic substrate of 

coastal areas and occupy upper trophic levels. These combined with large bodies, long lifespan, and slow 

growth rates contributes to increased uptake and accumulation of Hg. However, mechanisms governing 

these associations are not well understood. Using multiple biogeochemical tracers (δ13C, δ15N and total 

Hg), we describe trophic interactions of three sympatric batoid species inhabiting an urbanized estuary 

and identify diet sources that contribute to Hg accumulation and trophic position among these 

mesopredators. We also use the Bat-ray (Myliobatis californica) as a model species, to compare diet 

composition, trophic position, and isotopic niche between two populations in two Californian bays. 

Trophic plasticity in M. californica was characterized by isotopic niche, diet proportions, and trophic 

position estimates using Bayesian statistics. We found diet and local contamination background strongly 

associated with Hg accumulation, and Hg levels that exceed EPA water quality criterion (< 0.3 µg.g-1 

w.w.) in all studied species. 
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1. Introduction  

Batoids are elasmobranch fishes comprising stingrays, skates and guitarfishes (Ebert and Compagno, 

2007; Fowler et al., 2005). They inhabit the benthic and pelagic environments from shallow estuarine and 

coastal waters to the continental shelf regions with depths up to 3000 m (Frisk, 2010). Compared to 

sharks and teleost fishes, trophic ecology of batoids is poorly understood (Vaudo and Heithaus, 2012). 

Diet composition in nearshore batoid species can vary regionally. For example, diet of the Bat-ray 

(Myliobatis californica) and the Round stingray (Urobatis halleri) consist predominantly of benthic 

invertebrates but main prey items differ between populations (Gray et al., 1997; Matern et al., 2000; 

Ridge, 1963). These differences in diet composition resemble an opportunist/generalist foraging behavior 

in which prey availability and predator competition are important factors to determine the trophic niche of 

these animals.  

Bays and estuaries are highly productive and oceanographically dynamic areas that offer abundant prey 

while commonly serving as nursery and foraging habitats to many nearshore batoid species (Babel, 1967; 

Farrugia et al., 2011; Gray et al., 1997; Heupel et al., 2007). These are arguably the most affected areas of 

the coastal zone, where anthropogenic perturbations change the structure and dynamics of biotic 

communities (Kennish, 2002). For elasmobranchs in general, population decrease worldwide is mainly 

associated with overexploitation and habitat degradation (Dulvy et al., 2014), but especially for nearshore 

species, pollution is an important threat contributing to disruption of populations (Tiktak et al., 2020). 

Mercury (Hg) is a highly toxic pollutant, with natural and anthropogenic sources (UN Environment, 

2019), that causes deleterious effects to exposed organisms, including reduced immunological response, 

decreased reproduction success, neurochemical alterations, and behavioral changes (Scheuhammer et al., 

2015). Majority of Hg in fish is methylmercury, an organic compound that accumulates in organisms and 

biomagnifies through the food web, placing upper trophic level predators at greater risk of exposure to 

high concentrations (Wiener et al., 2003). Mercury is ubiquitous in marine ecosystems and an animal’s 

diet is the most important route of uptake and accumulation (Hall et al., 1997). With a biogeochemical 
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cycle closely linked to the foraging ecology of animals, Hg has been often used as a dietary tracer in 

many aquatic organisms, including seabirds (Thorne et al., 2021), marine mammals (Das et al., 2003; 

Peterson et al., 2015), fishes (Di Beneditto et al., 2013), and elasmobranches (Le Croizier et al., 2019; 

Pinzone et al., 2019). 

Stable isotope analysis (SIA) is a biogeochemical tool that uses the natural variation in stable isotopes 

ratios of elements in organisms to understand the ecology (e.g. foraging, migration, habitat use, etc.) of 

wild populations (Peterson and Fry, 1987). In particular, the ratio of nitrogen (15N/14N) and carbon 

(13C/12C) relative to a reference standard (hereafter δ15N and δ13C, respectively) are most commonly used 

to examine trophic dynamics (Post et al., 2007; Yeakel et al., 2016). δ13C changes very little as carbon 

moves through food webs (enrichment of ~0.5‰ – 1‰) and reflects the main sources of carbon and 

major pathways of energy transfer in the food-web (Bouillon et al., 2011; Peterson and Fry, 1987). δ15N is 

typically enriched in consumers (~2‰ – 4‰) relative to their diet which can provide an estimate of 

trophic position and characterization of trophic niche (Hussey et al., 2010; Layman et al., 2007; Post, 

2002).   

In the present study, our goals are twofold: (1) To describe trophic interactions of three sympatric batoid 

species inhabiting an urbanized estuary using carbon (δ13C) and nitrogen (δ15N) stable isotopes and total 

Hg (hereafter referred as THg) as ecological tracers. (2) to assess THg accumulation in two populations of 

Myliobatis californica while accounting for changes in trophic structure, diet sources, and contamination 

background. Our study areas are San Diego Bay (SDB) and Tomales Bay (TB), two low-inflow estuaries 

with distinct fish assemblages and contamination background levels. We ask the following questions (1) 

How do sympatric batoid species co-exist with limited available food resources in SDB? We hypothesize 

that species with a generalist feeding behavior (e.g. M. californica; Urobatis halleri) are sharing the 

available food resources and, thus, should present similar isotopic values while Rhinobatos productus, 

with a specialized feeding behavior, should present distinct isotopic values. (2) Do THg levels vary 

among sympatric batoid species in SDB? If so, do prey-predator relationships explain these variations? 
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We hypothesize that THg levels will reflect the batoids’ feeding behaviors, with generalist species 

presenting a wider range of variation and specialist species presenting a narrower range of THg levels; (3) 

How do isotopic values and THg accumulation in M. californica differ between SDB and TB estuaries? 

We hypothesize that, given the generalist feeding behavior of this species, isotopic values will be equally 

variable in both locations and, thus, no significant differences in trophic niche should be observed. In 

regards to THg contamination, given the known differences in Hg background exposure levels between 

locations, we expect these to be reflected in M. californica with greater levels in TB compared to SDB.  

2. Materials and Methods 

2.1. Study site description 

San Diego Bay (SDB) is semi-enclosed embayment, located in Southern California, impacted by heavy 

metals pollution due to urban runoff, and long-term military and recreational boating activities (Deheyn 

and Latz, 2006; Lenihan et al., 1990; Maloney and Chan, 1859). These activities contributed for the 

legacy of Hg contamination in this area, and despite current environmental regulations requiring treatment 

of waste discharges, many upper trophic level organisms are currently listed in consumption advisory 

issued by the State of California's Office of Environmental Health Hazard Assessment (OEHHA) 

(OEHHA, 2018). SDB is home to an estimated 78 fish species, with the most numerically abundant being 

Northern Anchovy (Engraulis mordax), Topsmelt (Atherinops affinis) and Slough Anchovy (Anchoa 

delicatissima) (Allen et al., 2002). In terms of biomass, the Round Stingray (U. halleri) and the Bat-ray 

(M. californica) are among the most relevant species, representing over 30% of total fish biomass in the 

estuary (Allen et al., 2002).  

Tomales Bay (TB) is a narrow and relatively shallow estuary located in Marin County, Central California. 

Similar to SDB, strong tidal influence occurs at the outer bay zones where tidal exchange controls 

physicochemical water characteristics while, in the inner zones the major drivers of water characteristics 

are runoff, evaporation and rainfall (Smith et al., 1991; Smith and Hollibaugh, 1997). Elasmobranch 

assemblage is composed mainly of sharks species, including Mustelus henlei, Triakis semifasciata, and 
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Squatina californica, with only one batoid species (M. californica) known to occur year round (Ackerman 

et al., 2000; Campos et al., 2009; Hopkins and Cech, 2003). The TB watershed is predominantly rural 

with relatively low human impacts. However, historical Hg mining activities in the Walker Creek 

tributary watershed are considered to be an important point source of Hg contributing to elevated 

concentrations in sediments and biota throughout the estuary (Johnson et al., 2009; Ridolfi et al., 2010). 

The Health Advisory and Guidelines recommend avoiding consumption of all elasmobranch species from 

this estuary (OEHHA, 2009).   

2.2. Sample collection 

Batoid specimens were captured in San Diego Bay (32°36'56"N; 117°06'02"W) in November 2016, June 

2017, July 2018 and October 2019, and in Tomales Bay (38°09'04"N; 122°54'22"W) in June 2019 using 

entanglement nets and hook and line. Disc width (total length for R. productus), weight and sex 

(identified by presence/absence of claspers in males) were recorded for each individual. Muscle and skin 

tissue samples were collected with a non-lethal approach using 6 mm diameter biopsy punches from the 

dorsal area of both “wings” (in R. productus, samples were taken from ventral area of the pelvic region) 

and homogenized into a single sample per tissue per individual. As a result, we had limited amount of 

skin tissue mass to run Hg analysis. Hg analysis requires a sample mass of ~0.5 g which was only 

obtained for muscle tissues in this study. On the other hand, SIA requires only ~1 mg of sample mass, 

which enabled analysis of both muscle and skin tissues.  

All animals were released in good health condition after the sampling efforts. Potential prey items (i.e. 

infaunal and benthic invertebrates) were collected from multiple sites in each study area using hand tools 

during low tide. These collections took place in 2019 and 2020 in both estuaries. All samples were kept 

on ice in the field and stored frozen (-20 oC) in the laboratory. Upon analysis, all samples were freeze-

dried for 24h – 48h and homogenized using a porcelain mortar and pestle. For potential prey and primary 

producers, composite samples were obtained by pooling sampled individuals into the following groups: 
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Filter-feeding mollusks, omnivorous crustaceans, omnivorous fish, and primary producers including 

eelgrass (Zostera marina) and marine macroalgae.   

2.3. Isotopic background dataset 

We used the δ13C and δ15N values in primary producers and invertebrates compiled in the NOAA SWFSC 

database to characterize the food web isotopic baseline in the San Diego Bay. These isotopic baseline 

values were used to re-construct each batoids’ role in the food web and calculate trophic position and diet 

proportions.    

2.4. Biogeochemical tracer analysis 

Total mercury (THg) concentrations were determined in the muscle tissue of each individual batoid 

sampled and in the composite samples of potential prey using a dedicated Perkin Elmer Flow Injection 

Mercury System (FIMS) and Direct Mercury Analyzer (DMA-80 Milestone, Inc.), respectively, 

according to Slotton et al., (2004) and the EPA Method 7473 (US EPA, 2007). Calibration curves (n = 3) 

with an overall range varying from 0.5 to 200 ng Hg were established with a mean linearity coefficient 

(R2) of 0.9998 ± 0.0001. We assured analytical quality (i.e. accuracy and reproducibility) of Hg 

measurements by using analytical blanks (every 10 samples) and certified reference materials (BCR-463, 

NRC DOLT-4, NRC DORM-3) in every analysis batch. Total Hg recovery ranged from 97.6% to 101.8% 

(100.8 ± 1.4%, n = 6) for BCR-463, 101.7% to 103.7% (102.5 ± 0.8%, n = 6) for NRC DOLT-4, and 

88.0% to 97.7% (91.2 ± 3.7%, n = 12) for NRC DORM-3. The limit of detection is 0.002 µg.g-1 dry 

weight (d.w.). All Hg concentrations are expressed as µg.g-1 d.w. 

Isotopic determination in muscle and skin tissues consisted of approximately 1.0 mg of tissue material 

loaded into sterilized tin capsules and analyzed by a continuous-flow isotope-ratio mass spectrometer in 

the Stable Isotope Laboratory at the University of Florida, Gainesville USA. All samples were analyzed 

for their δ13C, δ15N, %C, and %N values. A Carlo Erba NA 1500 Elemental Analyzer system interfaced 

via a ConFlo II device (Finningan MAT) to a Thermo Electron DeltaV Ad- vantage gas IRMS was used. 
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Prior to exiting the elemental analyzer, combustion gas was measured using a thermal conductivity 

detector to determine percent compositions. USGS40 standards (9.52 % N, 40.82% C) were used for 

calibration. Sample stable isotope ratios relative to the isotope standard are expressed in the following 

conventional delta (δ) notation in parts per thousand (‰). 

δ = [(RSample/Rstandard )  – 1]  x 1000       (1) 

where Rsample and Rstandard are the corresponding ratios of heavy to light isotopes (13C/12C and 15N/14N) in 

the sample and international standard (Air for nitrogen and Vienna Pee Dee Belemnite for carbon), 

respectively.  

We use stable isotope ratios measured from the tissue samples to compare trophic niche widths between 

the sympatric batoid species in the present study. Bearhop et al., (2004) suggested the use of stable 

isotope variance as a measure of trophic niche width in consumer populations. In the case of carbon and 

nitrogen isotopes, the variation presented in the so-called isotopic niche width will be used to suggest the 

range of carbon source, forage location or diet components and the range of prey trophic levels, 

respectively. We use an open-source Bayesian stable isotope package to quantify the metrics of isotopic 

variance (discussed below). 

2.5. Data analysis 

All statistical analyses and plots were performed using R version 3.4.3 (R Core Team, 2017). Parametric 

assumptions of the data were tested using Shapiro Wilks and Levene’s tests. We conducted parametric 

and non-parametric ANOVAs to examine the effects of location (SDB, TB), sex (male, female), and size 

class (juvenile, adult) on the δ13C and δ15N values and THg concentrations. To test for differences in δ13C 

and δ15N values between tissues, we conducted paired parametric and non-parametric (t tests and 

Wilcoxon rank test) tests. For factors with more than 2 levels, such as species (e.g. M. californica, U. 

halleri, and R. productus; for SDB only), non-parametric Kruskal Wallis and post hoc pairwise Wilcoxon 

Rank tests, with Holm corrections, were used to assess differences in δ13C and δ15N values and THg 
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concentrations. Parametric and non-parametric correlation tests (Person and Spearman) were conducted 

for all variable pairs (THg, δ13C, δ15N, and size (weight and length) in all species from SDB and TB. 

Using the Stable Isotope Bayesian Ellipses package (SIBER), we calculated isotopic niche space metrics 

(e.g. Total area (TA), δ13C range, δ15N range, and SEAc - standard ellipse area corrected for small sample 

size). The overlaps between SEAc of co-occurring species were calculated using the “maxLikOverlap” 

function (Jackson et al., 2011). Standard ellipses were also constructed using δ13C-Hg and δ15N-Hg pairs 

to provide complimentary information on species’ trophic niches, referred here as contamination niche 

(Pinzone et al., 2019). Trophic levels of batoid species were estimated by the tRophicposition package 

(Quezada-Romegialli et al., 2018) using filter-feeding mollusks collected at each site as the N and C 

baselines (TP = 2). Three potential sources (mollusks, crustaceans, and polychaetes) were used to 

estimate prey contribution to batoid’s diet using the SIAR package (Parnell et al., 2010). We employed 

multiple diet-tissue discrimination factors (Δ15N = δ15Nconsumer - δ15Nprey and Δ13C = δ13Cconsumer - δ13Cprey) 

in our models and compared our results with the literature, including an elasmobranch-specific Δ15N of 

2.29 ± 0.22 ‰ and Δ13C of 0.9 ± 0.33 ‰ reported by Hussey et al., (2010), and the generally used Δ15N of 

3.4 ± 0.98 ‰ and Δ13C of 1 ± 0.5 ‰ reported by Post (2002). Statistical significance was defined as p < 

0.05. 

3. Results 

Fifty-six individuals of four batoid species were sampled in SDB and TB, including M. californica (n = 

41), R. productus (n = 4), U. halleri (n = 10), and Gymnura marmorata (n = 1). Only M. californica 

occurred and was sampled in both locations (n = 26 in SDB, and n = 15 in TB). All other species came 

from SDB. The M. californica specimens collected in SDB were all identified as juveniles (seven males, 

and 19 females) based on the classification method described in García-Rodríguez et al. (2020), while in 

TB we collected 6 adults (all males) and 9 juvenile (five females, four males) individuals. For U. halleri, 

two individuals were identified as adults following Hale and Lowe, (2008), while for R. productus three 

individuals were classified as adults (Villavicencio-Garayzar, 1993). None of the four studied species are 
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classified as vulnerable or threatened therefore not prioritized for conservation efforts according to the 

International Union for Conservation of Nature (IUCN) Red List of Threatened Species (IUCN, 2021). 

3.1.  δ13C and δ15N isotopic ranges, differences, and correlations 

A representation of the SDB and TB food webs are presented in a δ13C and δ15N dual isotope space (mean 

± SD) for each batoid species, and other ecological groups (e.g. omnivorous teleosts, omnivorous 

crustaceans, filter-feeding mollusks, polychaetes, and primary producers) (Fig. 2. 1). Mean muscle δ13C 

values in SDB’s batoids ranged from -17.24 ± 0.80 ‰ in M. californica to -16.17 ± 2.64 ‰ in U. halleri. 

Mean muscle δ15N values ranged from 15.25 ± 0.76 ‰ in M. californica to 17.63 ± 0.65 ‰ in R. 

productus. In TB, δ13C and δ15N isotopic values in M. californica ranged from -17.4 ‰ to -13.0 ‰ (-

14.86 ± 1.14 ‰), and from 13.9 ‰ to 16.8 ‰ (15.02 ± 0.98 ‰), respectively (Tab. 2. 1).  

We found a small but significant difference in δ13C and δ15N isotopic values between skin and muscle 

tissues of M. californica from SDB (δ13C: paired t-test t = -12.25, df = 25, p < 0.001; δ15N: paired t-test t 

= 7.51, df = 25, p = 0.002). On average, muscle tissues for this species were depleted in δ13C by 1.31 ‰ 

and enriched in δ15N by 0.62 ‰ compared to skin tissues. Differences in isotopic values between tissues 

in M. californica from TB were significant for δ13C (paired t-test t = -5.23, df = 14, p < 0.001), but not for 

δ15N (paired Wilcoxon rank test V = 67, n = 15, p = 0.72).For U. halleri and R. productus, differences 

between tissues were not statistically significant for neither δ13C nor δ15N (p > 0.05) (Tab. S2.1).  

We found significant differences in muscle δ15N values among species in SDB (n = 406, Kruskal-Wallis 

H = 14.5, df = 2, p < 0.001) (Tab. S2.2). Post hoc pairwise comparisons detected a significant difference 

between M. californica and R. productus (Pairwise Wilcoxon Rank test: p < 0.001) and between M. 

californica and U. halleri (p = 0.006) (Tab. S2.2). We found no differences in muscle δ13C isotopic values 

among species co-existing within SDB (ANOVA F2, 37 = 2.06, p = 0.14) (Tab. S2.3). In contrast, mean 

δ13C isotopic values in muscle tissues of M. californica differed significantly between the two locations 

(ANOVA F1, 39 = 61.32, p < 0.001), with higher values in TB compared to SDB. We found no significant 
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differences in δ15N isotopic values for this species between locations (ANOVA F1, 39 = 0.23, p = 0.632). In 

regards to size class, only M. californica in TB presented enough individuals from both size classes (e.g. 

juvenile and adult) to test for differences among variables. We observed no differences in δ13C (ANOVA 

F1, 13 = 0.001, p = 0.973) or δ15N (Mann-Whitney W = 25, n = 15, p = 0.86) values between juvenile and 

adults. In regards to sex, no differences were observed for any variable (p > 0.28) (Tab. S2.2 and S2.3). 

Isotopic values of δ13C and δ15N were not significantly correlated with size, sex nor between each other (p 

> 0.21) for all batoid species in SDB and TB, except for M. californica in SDB which presented a 

significant negative correlation between δ13C and δ15N values (Pearson r = -0.80, p < 0.001). 

3.2.  Total Hg accumulation, differences and correlations 

Mean THg concentrations in SDB batoid species were 1.14 ± 0.33 µg.g-1 in M. californica, 1.86 ± 0.65 

µg.g-1 in R. productus, and 0.54 ± 0.16 µg.g-1 in U. halleri (Tab. 2. 1). We found significant differences in 

Hg concentration among species in SDB (n = 40, Kruskal-Wallis H = 22.4, df = 2, p < 0.001). Post hoc 

tests showed that Hg concentration in U. halleri were significantly lower compared to M. californica 

(Pairwise Wilcoxon Rank test: p < 0.001) and R. productus (p = 0.004), and significantly higher in R. 

productus compared to M. californica (p = 0.04 (Fig. 2.2). In TB, mean THg concentration in M. 

californica was 1.59 ± 0.42 µg.g-1 and significantly higher compared to M. californica in SDB (ANOVA 

F1, 39 = 14.8, p < 0.001). We found no significant correlations (p > 0.14) between THg concentrations and 

any of the other variables (i.e. size, sex, δ13C, and δ15N) in all batoid species from both locations (Tab. 2. 

S4). 

Niche differences among species characterized by isotopic and contamination measurements 

Based on SIBER model results using δ13C and δ15N (Fig. 2. 3), U. halleri presented the largest isotopic 

niche represented by a SEAc of 16.21, while R. productus and M. californica presented SEAc of 6.34 and 

1.20, respectively. Between locations, the isotopic niche was larger in TB compared to SDB with a SEAc 

of 4.31 and 1.20 found in M. californica, respectively. The isotopic niche for U. halleri had a modest 
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overlapping area, with 30% and 7% of its SEAc overlapping with R. productus and M. californica, 

respectively. By contrast, 77% of R. productus and 89% of M. californica isotopic niches overlapped with 

U. halleri. We observed no overlaps in the isotopic niche between R. productus and M. californica. 

Contamination niche, based on T-Hg and δ15N values (Fig. 2. 4A), was the largest in R. productus with 

SEAc area of 1.85. M californica and U. halleri presented similar contamination niche areas with SEAc 

of 0.82 and 0.88, respectively. We found no overlaps of THg-δ15N contamination niche among batoid 

species. Similarly, based on T-Hg and δ13C (Fig. 2. 4B), contamination niche was the largest in R. 

productus with SEAc area of 6.75, followed by U. halleri and M. californica with SEAc areas of 1.47 and 

0.86, respectively. An overlapping area of THg-δ13C contamination niche was observed only between M. 

californica and R. productus, where an overlapping area of 0.19 corresponded to 22% and 3% of SEAc, 

respectively.  

3.3.  Trophic position and diet proportions 

Based on the tRophicposition model output using diet-tissue discrimination factors from Hussey et al., 

(2010) (Δ15N = 2.29 ± 0.22 ‰ and Δ13C = 0.9 ± 0.33 ‰), the estimated trophic position (TP) for M. 

californica was 3.4 and 3.0 in SDB and TB, respectively, with no significant differences between sites (p 

= 0.79). For U. halleri, R. productus and G. marmorata, estimated TP was 3.8, 4.2 and 3.5, respectively. 

We found no statistically significant differences in TP among batoid species (p > 0.09), except between 

M. californica and R. productus (p = 0.019).  Using diet-tissue discrimination factors from Post, (2002) 

(Δ15N = 3.4 ± 0.98 ‰ and Δ13C = 1 ± 0.5 ‰), we found similar results of TP (3.5 for U. halleri, 3.8 for R. 

productus, 3.3 for G. marmorata, and 3.2 and 2.8 for M. californica in SDB and TB, respectively) which 

again, showed a significant difference between M. californica and R. productus (p = 0.021).  

Based on SIAR model using diet-tissue discrimination factors from Hussey et al., (2010) (Fig. 2. 5), M. 

californica diet proportions in TB among the three potential sources were crustaceans (29.7 ± 10.9%), 

mollusks (24.8 ± 6.9%), and polychaetes (45.6 ± 11.6%). In contrast, M. californica from SDB fed mainly 
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on mollusk (81.1 ± 3%), with small contributions to the diet by crustaceans (6.8 ± 4.8%) and polychaetes 

(12.1 ± 5.9%). Using diet-tissue discrimination factors from Hussey et al., (2010), U. halleri diet 

proportion were crustaceans (23.9 ± 14%), mollusks (44.0 ± 13%), and polychaetes (31.9 ± 16.5%). We 

found R. productus feeding mainly on teleosts (59.1 ± 16%), with smaller contributions by crustaceans 

(17.5 ± 13.1%) and mollusks (23.4 ± 14.4%). Using diet-tissue discrimination factors from Post, (2002), 

we found similar results in source contribution for all species in both areas.  

4. Discussion  

Over the multiple years of this study, juvenile individuals of M. californica and U. halleri accounted for 

the large majority (94%) of captures in San Diego Bay (SDB). Although that alone does not characterize 

this area as a nursery habitat (Heupel et al., 2007), this area is clearly an important feeding ground for 

juvenile individuals of both species. Because of our small sample size for R. productus inferences at the 

population-level for this species should be considered with caution. This study reports new information 

on resource partitioning of sympatric batoid species at an early life stage, which has a large impact on the 

overall health of the adult populations (Cortés, 2002).  

4.1.  Stable Isotope differences in tissues 

Stable isotope values in metabolically distinct tissues represent different time periods of feeding prior to 

sampling, and this time period is longer in tissues with slower metabolic turnover (MacNeil et al., 2006). 

A high-metabolism tissue, such as blood, reflects a shorter time period of feeding prior to sampling 

compared to slow-metabolism tissues, such as muscle and cartilage (Hobson and Clark, 1992; Logan and 

Lutcavage, 2010). There are only a few studies reporting differences in isotopic values among tissues of 

elasmobranchs. Differences among tissues is commonly associated with the different turnover rate of each 

tissue (Carlisle et al., 2012; Hussey et al., 2012).  

In the present study, we found a small but consistent difference among all species, in δ13C and δ15N 

isotopic values between muscle and skin tissues. These differences result from distinct chemical 
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composition (e.g. carbohydrate, protein, lipid etc) that made of each tissue. Additionally, the isotopic 

variation measured among tissue types, reflects differences in the metabolic pathways and elemental 

turnover rates during the biosynthesis of each tissue type. In elasmobranches, stable isotope values in 

muscle tissues integrate over a year of diet (~488 days) (Logan and Lutcavage, 2010; MacNeil et al., 

2006), while for skin/dermal tissues turnover rate is still unknown. Some authors speculate that 

skin/dermal tissue integrates elasmobranch diet from several months to a year (Carlisle et al., 2012; 

Marcus et al., 2019), which would place skin in a moderate place between fast (e.g. blood, liver) and slow 

(e.g. muscle, cartilage) turnover rates. If that is the case, considering our sampling occurred during 

Summer and Fall, differences between tissues observed in our study can be postulated as a result of 

different foraging strategies during colder seasons (e.g. Winter and early Spring), reflected by skin values, 

compared to warmer seasons (e.g. late Spring and Summer), reflected by muscle values. In fact, some 

batoid species are reported to have seasonal occurrence in many estuaries and bays along the California 

coast with higher occurrence observed during Spring and Summer compared to the Winter season (Gray 

et al., 1997; Jirik and Lowe, 2012). Therefore, it is reasonable to expect that isotopic values in these 

animals reflect feeding from inside and outside the bay.  

In future studies, differences in isotopic composition between tissues can potentially be investigated using 

compound-specific isotope analysis of amino acids composing each tissue. This technique has been 

demonstrated as a powerful tool for estimating trophic positions in aquatic food webs (Chikaraishi et al., 

2009), and may also be used to quantify various isotopic fractionation during the biosynthesis process that 

result in the observed bulk δ13C and δ15N disparity between skin and muscle tissues. 

4.2.  Stable isotope, diet and trophic position of sympatric batoid species 

The wide range of δ13C isotopic values found in batoid species from SDB suggest multiple sources of 

carbon to the base of the food web. Estuaries are complex and dynamic ecosystems presenting many 

sources of carbon, such as C3 and C4 plants, marine and estuarine phytoplankton, seagrasses, and benthic 

algae (Bouillon et al., 2011). Marine algae in SDB presented lower δ13C values (-17.35 ± 4.07 ‰) 
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compared to eelgrass (-11.73 ± 1.74 ‰), which encompassed the variability observed in batoids. 

Additionally, batoids are known to occur in the estuary seasonally (Gray et al., 1997; Talent, 1985) and, 

thus, the wide range of δ13C values can also be a result of feeding in areas outside the estuary with distinct 

isotopic ratios.   

The multiple trophic levels of batoid species in the present study explain the observed variation in δ15N 

isotopic values. The higher δ15N values in R. productus suggest a diet with larger contribution by teleosts, 

which are generally in higher trophic positions compared to crustaceans and mollusks. Our diet mixing 

models suggested R. productus fed largely on fish (59.1 ± 16%) with smaller contributions from 

crustaceans and mollusk. Such specialized diet also resulted in a relatively small isotopic niche for this 

species (SEAc = 6.34). A stomach content study in another estuary along the California coast, reported R. 

productus feeding mainly on crustaceans but with a consistent contribution from fish to the diet of larger 

individuals (Talent, 1982). Similar results, based on stomach content and stable isotope analysis, were 

reported by Valenzuela-Quiñonez et al., (2017) studying the same species in the Gulf of California, 

Mexico. These authors found that crustaceans were the main prey for R. productus but with larger 

individuals of R. productus (> 83 cm of TL) having increased contribution of teleost fish (~25%) in their 

diet (Valenzuela-Quiñonez et al., 2017). Our results suggest that fish contribution to the diet of larger 

individuals can be significant even though our sample size of four individuals is not a good representation 

of the entire adult population. Regardless, our trophic models estimated a trophic position of 3.8 for this 

species, which is in close agreement with the value of 3.4 estimated for large individuals by Valenzuela-

Quiñonez et al. (2017) using the same Δ15N value (Δ15N = 3.4% according to Post (2002)).  

δ15N isotopic values in M. californica also differed from other sympatric species. According to our 

mixing models, this species fed mainly on mollusks (81.1 ± 3%), which corresponds to the smallest 

isotopic niche (SEAc = 1.20) among our studied species. A similar diet contribution was also observed 

for this species in other estuaries along California coast, where clams were the most important item found 

in the stomachs of juvenile and adult individuals (Gray et al., 1997; Talent, 1982). This preference for low 
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trophic level prey is reflected by the lower trophic position (3.2) estimated for this species in the present 

study. To our knowledge, this is the first study to estimate the trophic position of M. californica using 

stable isotopes. Our finding is consistent with previous stomach content analyses showing that this 

species primarily consumes mollusks and occupies an estimated trophic position of 3.3 (Jacobsen and 

Bennett, 2013).  

The wide range in δ15N isotopic values observed in the tissue of U. halleri (6.5‰ in muscle and 3.4‰ in 

skin) suggest a diet composed of prey with variable 15N content and/or significant individual diet 

specialization. Previous stomach content analysis suggested that the diet of U. halleri is composed of 

mollusks, crustaceans, polychaetes, and fish (Babel, 1967; Jacobsen and Bennett, 2013; Valadez-

Gonzalez et al., 2001). Our results show that these three prey groups have distinct δ15N values in SDB 

(Table 2.1); thus, individuals feeding on different proportion of each prey group is likely the cause for the 

wide range of δ15N values observed in the present study.  

Variability in δ15N values has been associated with a mixed diet elsewhere. In the Caribbean, the Southern 

stingray (Dasyatis americana) presented a δ15N range of 3.42‰, which was explained by a generalist diet 

composed of soft bodied invertebrates, bivalves and crabs (Gilliam and Sullivan, 1993; Tilley et al., 

2013). It is worth mentioning that reproductive behavior, growth rate, and starvation can confound 

interpretation of δ15N variations. Lyons et al. (2017) suggested that starvation associated with 

reproductive behavior might have produced the increased blood δ15N observed in adults of U. halleri 

compared to juveniles. Starvation is observed in adults during mating seasons when individuals rely on 

internal energy reserves to support metabolism (Lyons et al., 2017). The metabolism of internal reserves 

during starvation periods has been shown to increase δ15N values in hair tissue of humans (Mekota et al., 

2006), however, a recent study found the opposite effect in Whale sharks (Rhincodon typus) (Wyatt et al., 

2019). These authors reported decreases in δ15N values in captive and wild individuals associated with a 

high growth rate and starvation. In the present study, because the majority of sampled individuals were 
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juvenile, reproduction behavior is unlikely to explain isotopic variations. However, starvation and a fast 

growth rate are potential factors influencing the wide range in δ15N isotopic values observed here.  

Based on the potential prey groups reported by (Babel, 1967; Jacobsen and Bennett, 2013; Valadez-

Gonzalez et al., 2001), our mixing models estimate that U. halleri in SDB feeds on a mixed diet with 

similar proportions of mollusks, crustaceans, and polychaetes (Fig. 2. 5). Such foraging behavior also 

resulted in the largest isotopic niche among our studied species (SEAc = 16.21). Our trophic position 

derived for this species (3.5) is similar to the estimate based on stomach content analysis (3.58) from the 

literature (Jacobsen and Bennett, 2013), and places this species in a similar trophic level as M. californica 

in SDB.  

The interpretation of overlapping isotopic niches between sympatric species is generally due to resource 

partitioning and interspecific competition (Murillo-Cisneros et al., 2019; Shiffman et al., 2019; Vaudo 

and Heithaus, 2011). In the present study, we observed no overlaps in isotopic niche between R. 

productus and M. californica (Fig. 2. 3), which suggest these species do not directly compete for food 

resources besides sharing foraging habitats. Similar results were also observed in another foraging area 

along the Baja California Sur coast (Murillo-Cisneros et al., 2019). These authors interpreted the little 

overlap between these species as an indication of resource segregation. This interpretation is applicable to 

our results and corroborated by differences in diet (Gray et al., 1997; Valenzuela-Quiñonez et al., 2017), 

δ15N values, and estimated trophic positions for these two species (Murillo-Cisneros et al., 2019).  

In contrast, a high degree of overlap was observed between the isotopic niche of U. halleri and isotopic 

niches of the other two batoid species (Fig. 2. 3), suggesting that U. halleri competes for the same food 

resources with M. californica and R. productus. It is important to note that the isotopic niche of U. halleri 

was strongly influenced by two individuals with very low δ13C values, which if removed would have 

produced a smaller overlap area. Regardless, this kind of inter-specific interaction has been reported for 

elasmobranch species elsewhere. For example, in a shark nursery area on the northeast coast of 

Queensland, Australia, seven juvenile sharks presented overlapping δ15N values indicating that they were 
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feeding on prey with similar isotopic values (Kinney et al., 2011). For sympatric batoid species in the 

Mediterranean, two species from the genus Raja were observed to have overlapping isotopic niches and 

similar trophic positions (Yemışken et al., 2017). Another important aspect was observed for M. 

californica in the present study, when comparing isotopic niche between SDB and TB. We observed 

trophic plasticity in this species, as evidenced by a smaller isotopic niche area (SEAc) in SDB compared 

to TB (Tab. 2. 1) and separately supported by different proportions of prey contributions to the diet (Fig. 

2. 5).  

Considering that, in SDB, M. californica share habitats with multiple batoid species (Allen et al., 2002) 

while, in TB, this is the only batoid species known to commonly occur (Hopkins and Cech, 2003), the 

observed changes in isotopic niche area is an indication of diet plasticity and foraging adaptation for this 

species. In sharks, diet plasticity was observed in Carcharhinus limbatus and C. acronotus inhabiting the 

south coast of Florida where species isotopic niche and overlap changed among site of occurrence 

(Shiffman et al., 2019). Another example was observed in the Gulf of Mexico for the shark species 

Rhizoprionodon terraenovae (Drymon et al., 2012). These authors reported δ15N values of the captured 

individuals varying between eastern and western regions, which was interpreted as an indication of 

change in diet. That interpretation was supported by trawl data demonstrating differences in fish and 

invertebrate biomass between these regions (Drymon et al., 2012). It is possible that dietary and foraging 

habitat plasticity is a common trait in elasmobranchs, allowing for co-existence of sympatric species that 

feed at similar trophic levels (Barría et al., 2018; Drymon et al., 2012; Kiszka et al., 2015). 

Interpretation of δ15N variation in consumers can provide important insights into trophic ecology and diet 

of predators. However, interpretation is not always straight-forward as variation in isotopic values can be 

confounded by factors other than prey choice, such as similarity in isotopic values among distinct prey 

species, prey’s excretion mode, and fasting or starvation of consumers (Mekota et al., 2006; Newsome et 

al., 2007; Vanderklift and Ponsard, 2003). That is where the use of complementary chemical tracers, such 
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as mercury (Hg), can help the interpretation of isotopic variation and trophic interactions (McMeans et al., 

2010).  

4.3.  Hg accumulation and contamination niche 

A recent review shows that about a third of batoid species worldwide are at risk of toxicity effects from 

Hg exposure considering a Lowest Observed Adverse Effect Level (LOAEL) of 0.5 µg.g-1 w. w. (Bezerra 

et al., 2019; Depew et al., 2012). This is alarming, considering these are mesopredators typically feeding 

on small fishes, zooplankton and benthic invertebrates (Ebert and Bizzarro, 2007; Jacobsen and Bennett, 

2013). As mechanisms governing Hg bioaccumulation in elasmobranchs are not well understood, the 

present study contributes to a better understanding of this issue. The nearly sole pathway for Hg uptake in 

fish is through food intake (Bradley et al., 2017; Hall et al., 1997). Therefore, diet is one of the most 

important factors to explain differences in Hg accumulation in fish (Ferriss and Essington, 2014; Lacerda 

et al., 2014; Teffer et al., 2014). By pairing Hg concentrations with δ15N and δ13C values in our SIBER 

models, it was possible to distinguish species based on their contamination niches (Fig. 2. 4). Our results 

show that, in contrast to major overlaps in the isotopic niches (Fig. 2. 3), M. californica and U. halleri 

presented significant differences in Hg concentrations and non-overlapping contamination niches (Fig. 2. 

4).  

That finding suggests these species are in fact partitioning resources while sharing the foraging habitat. 

Differences in Hg concentration in batoid species in the present study result from differences in Hg 

concentrations of potential prey, where filter-feeding mollusks (the main prey item for M. californica) 

presented higher Hg levels than omnivorous crustaceans and polychaetes (Tab. 2. 1). Omnivorous teleosts 

presented the highest Hg levels among prey, which can explain the higher Hg levels found in R. 

productus. Such associations between Hg concentration and food preference has been reported for many 

marine taxa, including batoids (Bezerra et al., 2019), sharks (McMeans et al., 2010), and teleost fishes 

(Bank et al., 2007; Cai et al., 2007). For batoids, a meta-analysis of trace element contamination found 

that diet was one of the factors to better explain Hg contamination in species worldwide (Bezerra et al., 
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2019). These authors found significantly lower Hg accumulation in batoids feeding mainly on 

zooplankton compared to species with other food preferences, such as crustaceans, mollusks and fish. 

However, diet is not the only factor governing Hg accumulation in marine organisms. Animal size/age 

(Moura et al., 2020; Rodriguez et al., 2020) and geographical location (Lacerda et al., 2014; Le Bourg et 

al., 2019; Bezerra et al. 2019) are also important under different scenarios.  

Hg accumulates in fish if there is a positive net balance between uptake and elimination processes, and 

this process is generally evidenced by greater Hg levels in larger/older individuals compared to 

smaller/younger ones (Bradley et al., 2017). Many examples exist of Hg concentration increasing with 

animal size in elasmobranchs (Cai et al., 2007; Taylor et al., 2014). However, this is not always the case 

as negative correlations between Hg concentration and size (De Carvalho et al., 2014; de Pinho et al., 

2002; Rumbold et al., 2014), and the absence of significant correlation (Le Croizier et al., 2020; 

McMeans et al., 2010; Moura et al., 2020) have also been reported for elasmobranchs. In the present 

study, we found no significant correlation between Hg concentration and animal size in any of the studied 

species. We attributed this to the fact that the majority of our specimens were juvenile and, thus, they all 

had similar Hg assimilation efficiencies. In life stages with fast growth rates, such as the juvenile, size 

changes at a faster pace compared to Hg assimilation, which is known as the ‘growth dilution effect’ 

(Dang and Wang, 2012). This is generally why Hg increases with size is not detected when analyzing 

juvenile fish populations. Similar results have been reported for juvenile populations of Aetobatos 

narinari along the northeastern coast of Brazil (Moura et al., 2020), and Carcharhinus albimarginatus in 

the northeast Pacific Ocean (Le Croizier et al., 2020).  

Geographical location is another important factor that influences Hg accumulation in elasmobranchs from 

the legacy effect in Hg background contamination. Mercury enters the food web through assimilation by 

filter-feeding organisms and primary producers (Mason et al., 1996). Therefore, changes in local Hg 

background can have a significant effect on Hg levels in upper trophic level consumers. We found higher 

Hg levels in M. californica from TB compared to SDB despite similarities in body size, diet and 
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estimated trophic position (Tab. 2.1). We attributed this to the influence of distinct Hg background levels 

between these areas. The Tomales Bay watershed is predominantly rural with relatively low human 

impacts, but with a history of Hg mining activities that contributes to current elevated concentrations in 

sediments and biota throughout the estuary (Johnson et al., 2009; Whyte and Kirchner, 2000). Past Hg 

impairment assessments reported Hg levels exceeding U.S. EPA criterion of 0.3 µg.g-1 w.w. (USEPA, 

2001) for several sport fishes, including Paralichthys californicus, Triakis semifasciata, Mustelus henlei, 

Squatina californica, and M. californica (OEHHA, 2004; Ridolfi et al., 2010). A decade later, Hg levels 

in M. californica are still above this threshold as evidenced by the present study. San Diego Bay is also 

impacted by elevated Hg contamination (Bay et al., 2016) and, currently, both SDB and TB have active 

safety advisories limiting consumption of many fish species, including elasmobranchs (OEHHA, 2018, 

2009).  

5. Conclusions 

We presented here a description of trophic interactions among three sympatric batoid species in a 

foraging and nursery habitat along the Southern California coast. By using Hg as a complementary dietary 

tracer, it was possible to separate overlapping isotopic niches and to describe ecological niches of these 

organisms. We observed isotopic niche plasticity in M. californica, as indicated by changes in SEAc 

when comparing SDB and TB. This finding is consistent with previous studies reporting diet variation in 

this species.  

We partially rejected our first hypothesis and concluded that M. californica and U. halleri presented 

distinct δ15N isotope values, even while sharing the available food resources as generalist mesopredators. 

This was evidenced by overlapping areas of isotopic niches and similar estimated trophic positions. We 

did not reject our second hypothesis and concluded that differences in Hg levels observed in batoids in 

SDB were consistent with species-specific diet differences, where M. californica (mainly feeding on 

filter-feeding mollusks) presented higher Hg levels compared to U. halleri (mixed diet of mollusk, 

crustaceans and polychaetes), and lower compared to R. productus (piscivorous diet). Differences in Hg 
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background levels between SDB and TB were reflected in M. californica, but not in the potential prey 

samples. The reason for that is not entirely clear and demands further investigations with a more 

extensive prey sampling effort also focusing on areas outside the bay to fully characterize the diet Hg 

pool in M. californica, given their great swimming capacity and known seasonality of occurrence in both 

areas. 

Finally, we partially rejected our third hypothesis and concluded that although no significant differences 

were observed in trophic position and isotopic values (δ15N and δ13C) in M. californica between SDB and 

TB we did observe differences in isotopic niche (represented by SEAc) with a smaller area in SDB 

compared to TB. That was interpreted as an indication of trophic plasticity in feeding behavior/diet for 

this species facilitating co-existence with other batoid species and reducing competition for food. This 

study demonstrates the benefit of using multiple biogeochemical tracers in Hg and stable isotopes (13C 

and 15N) to understand the trophic ecology of elasmobranch fishes. 

 



 
 

Table 2.1 – Sample size (n), disc width (cm), mean Hg ± standard deviation (µg.g-1 d.w.), δ13C and δ15N isotopic values (‰), Standard Ellipse 
Area (SEAc), and estimated trophic position (TP) in batoid species collected in San Diego Bay (SDB) and Tomales Bay (TB). 

 Species n 
Disc width ± 

SD 
(min - max) 

 
Hg ± SD 

(min – max) 
δ15N ±  SD 

(min – max) 
δ13C ±  SD 

(min – max) 

Total 
area 
(TA) 

δ15N 
range 

δ13C 
range 

aSEAc TPpost TPhussey 

San Diego Bay           

 
Myliobatis 
californica 

26 
62.7 ± 8.3 

(50.5 – 84.5) 
Muscle 

1.14 ± 0.33 
(0.68 – 1.88) 

15.25 ± 0.76 
(13.2 – 16.7) 

-17.24 ± 0.80 
(-18.8 – -15.6) 

4.47 3.5 3.2 1.20 3.1 3.4 

    Skin - 
14.63 ± 0.64 
(12.8 – 15.9) 

-15.93 ± 0.62 
(-16.9 – -14.5) 

 3.1 2.4    

 
Rhinobatos 
productus 

4 

112.6 ± 
17.9* 

(89.0 – 
131.1) 

Muscle 
1.86 ± 0.65 

(1.23 – 2.45) 
17.63 ± 0.65 
(16.7 – 18.2) 

-16.14 ± 2.36 
(-18.1 – -12.9) 

3.49 1.5 5.2 6.34 3.8 4.2 

    Skin - 
16.70 ± 2.47 
(14.3 – 19.3) 

-16.56 ± 2.17 
(-18.6 – -14.0) 

 5.9 4.6    

 
Urobatis 
halleri 

10 
13.9 ± 1.1 

(12.4 – 16.0) 
Muscle 

0.54 ± 0.16 
(0.29 – 0.83) 

16.46 ± 1.74 
(13.4 – 19.9) 

-16.17 ± 2.64 
(-21.3 – -14.2) 

28.09 6.5 7.1 16.21 3.5 3.8 

    Skin - 
16.08 ± 0.98 
(14.4 – 17.8) 

-15.09 ± 2.90 
(-20.9 – -11.7) 

 3.4 9.2    

 
Gymnura 
marmorata 

1 29.9 Muscle - 16.34 -14.83 
    3.3 3.5 

    Skin - 16.65 -16.26       

Tomales Bay            

 
Myliobatis 
californica 

15 
66.2 ±7.2 

(56.4 – 80.0) 
Muscle 

1.59 ± 0.42 
(0.91  – 2.26) 

15.11 ± 1.11 
(13.9 – 17.5) 

-14.86 ± 1.14 
(-17.4 – -13.0) 

10.31 3.6 4.4 4.31 2.8 3.0 

    Skin - 
15.02 ± 0.98 
(13.9 – 16.8) 

-14.07 ± 1.2 
(-16.9 – -11.9) 

 2.9 5.0    

* Total length. a For  δ13C and δ15N pair. 
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Table 2.2 – Species, sample size (n), Hg (µg.g-1 d.w.), and δ13C and δ15N values (‰) in the Food web at 
San Diego Bay and Tomales Bay.  

 Species n* 
Hg ± SD 

(min – max) 
δ15N ± SD 

(min – max) 
δ13C ± SD 

(min – max) 
Tomales Bay     

 Omnivorous crustaceans 3 
0.03 ± 0.01 

(0.02 – 0.04) 
12.33 ± 1.27 
(10.9 – 13.3) 

-14.47 ± 3.87 
(-16.7 – -10.0) 

 Filter-feeding mollusks 12 
0.16 ± 0.04 

(0.11 – 0.23) 
12.53 ± 0.58 
(11.4 – 13.4) 

-20.81 ± 1.55 
(-22.8 – -18.9) 

 Polychaete 3 
0.11 ± 0.03 

(0.08 – 0.14) 
13.05 ± 0.93 
(12.1 – 14.0) 

-14.53 ± 2.74 
(-17.2 – -11.8) 

 Primary producer - Eelgrass 1 0.02 9.86 -21.04 

 Primary producer - Algae 1 0.06 10.10 -11.40 

San Diego Bay     

 Omnivorous teleosts 4d 
0.15 ± 0.05 

(0.08 – 0.18) 
15.89 ± 1.62 
(14.7 – 18.2) 

-14.85 ± 3.0 
(-19.1 – -12.3) 

 Omnivorous crustaceans 6 
0.04 ± 0.03a 
(0.02 – 0.07) 

12.65 ± 1.45 
(9.9 – 13.8) 

-14.55 ± 3.97 
(-19.1 – -10.1) 

 Filter-feeding mollusks 12 
0.12 ± 0.04 

(0.04 – 0.18) 
11.21 ± 0.74 
(10.3 – 13.0) 

-19.08 ± 0.85 
(-21.1 – -17.9) 

 Herbivorous mollusks 4e - 
12.43 ± 0.94 
(11.0 – 13.0) 

-6.51 ± 1.86 
(-8.1 – -4.3) 

 Polychaete 5 0.05b 
14.71 ± 1.27 
(12.8 – 16.1) 

-15.68 ± 1.54 
(-17.3 – -13.8) 

 Primary producer - Eelgrass 48 
0.02 ± 0.01c 
(0.01 – 0.02) 

10.01 ± 1.12 
(7.9 – 12.3) 

-11.73 ± 1.74 
(-16.4 – -9.3) 

 Primary producer - Algae 62 - 
11.93 ± 1.85 
(8.6 – 18.2) 

-17.35 ± 4.07 
(-31.8 – -9.7) 

*Composite sample unless otherwise noted. a n = 3.  b n = 1.  c n = 2. d, e individual 
samples.  
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Figure 2.1 – Food-web isotopic space represented by mean ± SD of δ15N and δ13C in San Diego Bay (top) 

and Tomales Bay (bottom). This figure fits as a single-column image 
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Figure 2.2 – Boxplot (median, 25th and 75th percentiles, and 1.5 * IQR whiskers) of Hg concentration in 

batoid species from San Diego Bay. Asterisks represent significant differences: Pairwise Wilcoxon post-

hoc test, *p ≤ 0.05, ** p ≤ 0.01, *** p ≤ 0.001. This figure fits as a single-column image
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Figure 2.3 – Isotopic niche occupied by sympatric batoid species in San Diego Bay (SDB). Green ellipse: 

U. halleri; Red ellipse: R. productus; and Black ellipse: M. californica. This figure fits as a single-

column image 
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Figure 2.4 – Contamination niches [Total Hg vs. δ15N (A) and Total Hg vs. δ13C (B)] occupied by 

sympatric batoid species in San Diego Bay (SDB). Green ellipse: U. halleri; Red ellipse: R. productus; 

and Black ellipse: M. californica. This figure fits as a single-column image 
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Figure 2.5 – Diet proportion of batoid species. (A) M. californica in TB, (B) M. californica in SDB, (C) 

U. halleri in SDB, (D) R. productus in SDB. This figure fits as a single-column image
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CHAPTER 2 – Supplementary material



 
 

Table S2.1 – Paired t test performed. 

Test Variable Species Location Source of 
Variance 

df t value p 
value 

Paired t test        
 δ13C M. californica TB tissue 14 -5.23 <0.001 
 δ13C M. californica SDB tissue 25 -12.25 <0.001 
 δ 15N M. californica SDB tissue 25 7.51 <0.001 
 δ13C R. productus SDB tissue 3 0.197 0.86 
 δ 15N R. productus SDB tissue 3  0.80 0.48 
 δ 15N U. halleri SDB tissue 9 0.535 0.61 

110 



 
 

Table S2.2 – Non-parametric Analysis of Variance performed. 

Test Variable Species Location Source of 
Variance 

n df Coefficient p value 

Mann-Whitney         
 δ 15N M. californica TB size_class 15 - 25 0.86 
 δ 15N M. californica TB sex 15 - 18 0.43 
 δ13C U. halleri SDB tissue 10 - 13 0.16 
Paired Wilcoxon δ 15N M. californica TB tissue 15 - 67 0.7197 
 δ13C All SDB tissue 40 - 153 <0.001 
 δ 15N All SDB tissue 40 - 692 <0.001 
         
Kruskal-Wallis         
 THg All SDB species 40 2 22.4 <0.001 

Post-hoc Wilcoxon 
pairwise 

       

 M. californica : U. halleri SDB species - - - <0.001 
 M. californica :R. productus SDB species - - - 0.04 
 R. productus :U. halleri SDB species - - - 0.004 
        
 δ 15N All SDB species 40 2 14.5 <0.001 

Post-hoc Wilcoxon 
pairwise 

       

 M. californica : U. halleri SDB species - - - 0.02 
 M. californica :R. productus SDB species - - - <0.001 
 R. productus :U. halleri SDB species - - - 0.08 

*bold number indicate a significant p value  
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Table S2.3 – Parametric Analysis of Variance performed. 

Test Variable Species Location Source of 
Variance 

df SS F p 
value 

ANOVA         
 THg M. californica - location 1, 39 1.956 14.8 <0.001 
 δ13C M. californica - location 1, 39 54.22 61.32 <0.001 
 δ 15N M. californica - location 1, 39 0.19 0.23 0.632 
 δ13C M. californica TB Size_class 1, 13 0.002 0.001 0.973 
 THg M. californica TB Size_class 1, 13 0.003 0.01 0.897 
 δ13C M. californica TB Sex 1, 13 1.597 1.24 0.285 
 THg M. californica TB Sex 1, 13 0.018 0.09 0.77 
 δ13C R. productus SDB Sex 1, 2 0.08 0.009 0.93 
 δ 15N R. productus SDB Sex 1, 2 0.003 0 0.985 
 THg R. productus SDB Sex 1, 2 0.454 1.09 0.40 
         
 δ13C - SDB species 2, 37 10.7 2.06 0.14 

*bold number indicate a significant p value   
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Table S2.4 – Parametric and non-parametric correlation tests performed.  

Method Species Location Variable pair df r p value  
Spearman       
 M. californica SDB THg vs size_cm 24 -0.03 0.88 
 M. californica SDB δ13C vs size_cm 24 0.13 0.52 
 M. californica SDB δ15N vs size_cm 24 -0.34 0.087 
 M. californica TB THg vs δ15N 13 0.35 0.21 
 M. californica TB δ13C vs δ15N 13 0.01 0.96 
 M. californica TB δ15N vs size_cm 13 -0.26 0.34 
 U. halleri SDB THg vs δ13C 8 -0.22 0.54 
 U. halleri SDB δ13C vs size_cm 8 -0.33 0.34 
 U. halleri SDB δ13C vs δ15N 8 -0.45 0.19 
Pearson       
 M. californica  SDB THg vs δ15N 24 0.10 0.62 
 M. californica  SDB THg vs δ13C 24 -0.14 0.48 
 M. californica  SDB δ13C vs δ15N 24 -0.80 <0.001 
 M. californica  TB THg vs size_cm 13 -0.30 0.28 
 M. californica  TB THg vs δ13C 13 -0.26 0.34 
 M. californica  TB δ13C vs size_cm 13 0.10 0.71 
 U. halleri SDB THg vs size_cm 8 -0.29 0.42 
 U. halleri SDB THg vs δ15N 8 0.45 0.18 
 U. halleri SDB δ15N vs size_cm 8 0.013 0.97 
 R. productus SDB THg vs size_cm 2 -0.82 0.18 
 R. productus SDB THg vs δ15N 2 0.40 0.59 
 R. productus SDB THg vs δ13C 2 -0.38 0.62 
 R. productus SDB δ15N vs size_cm 2 -0.45 0.54 
 R. productus SDB δ13C vs δ15N 2 0.49 0.51 
 R. productus SDB δ13C vs size_cm 2 -0.12 0.88 

*bold number indicate a significant p value. 
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1. Introduction 

Contaminant bioaccumulation assessments of chemicals are crucial to understand how pollutants 

accumulate and affect organisms (Schäfer et al. 2015).  Bioaccumulation is the process where 

concentration of a chemical is higher in the organism compared to its ambient environment, while 

biomagnification is the process of increasing chemical concentrations in organisms along the food-web 

(Gobas and Morrison 2000).  

Hg is a pervasive and highly toxic pollutant with natural and anthropogenic sources (UNEP 2013). In 

global oceans, about 2/3 of the Hg historically emitted through anthropogenic sources resides on waters 

shallower than 1,000 m, which was estimated to represent three-fold of the naturally emitted Hg presented 

in oceans’ surface waters (Lamborg et al. 2014). In coastal ecosystems, inorganic Hg (Hg(II)) originates 

from sedimentation and soil formation processes and can be transformed into organic Hg (MeHg) through 

bacterial metabolism processes (Hammerschmidt and Fitzgerald 2006b, Mason et al. 2012, Lamborg et al. 

2014). The mercury biogeochemical cycle involves complex transformation of several Hg chemical 

species among environmental compartments (e.g. soil, water, air and biota). In general, elemental Hg 

(Hg(0)) is the most abundant Hg species in the atmosphere due to its high volatility and chemical 

stability. Photo-oxidation processes in the atmosphere transform Hg(0) to Hg(II) cations, which is readily 

deposited on land and/or water bodies. Once in aquatic systems most of Hg is in the reduced form Hg(II). 

When partitioning to suspended solids, Hg(II) can form insoluble compounds, such as HgS and HgCl2, 

that can sink to the sediment. Once in the sediment, bacteria-mediated processes can methylate Hg(II) 

forming MeHg, which is the most toxic Hg compound to aquatic biota and humans (Morel et al. 1998, 

Schneider et al. 2013, UNEP 2013). 

Traditionally, pollutants’ risk assessment employs measures of bioaccumulation using bioconcentration 

factor, bioaccumulation factor (BAF), biota- sediment accumulation factor (BSAF), and biomagnification 

factor (BMF). These are generally estimated in laboratories, providing key information of the factors 

controlling rates of bioaccumulation that take into account chemical properties of the pollutant and biotic 

characteristics (e.g. habitat, diet, etc.) of the contaminated organism (Borgå et al. 2012). However, as 
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these measures often do not corroborate with community-level estimates in the field (e.g. Van Geest et al., 

(2010), there has been a recent trend towards the use of Trophic Magnification Factors (TMF) to assess 

biomagnification of pollutants across different food webs (Burkhard et al. 2013, Walters et al. 2016). 

TMF are estimated by the regression between pollutant levels in organisms of the same food web and 

their relative trophic positions. The slope of this regression line is used to assess the system with a TMF > 

1 indicating biomagnification of the pollutant in the food web. This approach has been widely used to 

assess mercury (Hg) biomagnification worldwide (Gobas and Morrison 2000, Borgå et al. 2012, Lavoie et 

al. 2013).  

Factors influencing Hg biomagnification includes physical (e.g. latitude, temperature), chemical (e.g. pH, 

dissolved organic carbon - DOC) and bio-ecological processes (e.g. growth rate, species diversity and 

length of the food chain) (Watras et al. 1998, Hammerschmidt and Fitzgerald 2006a, DeForest et al. 

2007). However, there is no consensus regarding which are the key variables controlling the rate of Hg 

biomagnification in aquatic ecosystems (Lavoie et al. 2013). In a worldwide Hg biomagnification meta-

analysis, Lavoie et al., (2013), using TMF as a measure of Hg biomagnification, found that latitude and 

Hg deposition were two of the most important variables describing its variation across the freshwater and 

marine ecosystems. As this assessment was conducted at a global scale, including observations from the 

tropical, temperate, and polar ecosystems, it is not clear if these relationships would still hold at regional 

scales.  

This study uses data collected in San Diego Bay (SDB) and Tomales Bay (TB) to assess spatial and 

temporal variations in Hg levels among different taxa, to examine Hg bioaccumulation across multiple 

trophic levels, and to quantify Hg biomagnification at a regional scale. Specifically, we aim to describe 

and compare Hg bioaccumulation and biomagnification between two estuaries in Californica coast by 

asking (1) Do Hg levels in marine biota vary temporally and spatially in SDB and TB, and (2) Are there 

differences across trophic levels ? (3) Which factors better describe Hg concentrations in SDB and TB 

food webs across multiple years?    

2. Methods 
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2.1. Study site description 

San Diego Bay - SDB (32.72° N, 117.2° W), Southern California, is a natural, semi-enclosed embayment 

extending approximately 25 km from the head to the mouth. It has been extensively impacted by human 

activities, such as dredging, filling and industries discharges (Lenihan et al. 1990), and is a highly 

polluted environment, especially by legacy heavy metals, due to a history of military and recreational 

boating, as well as urban runoff (Deheyn and Latz 2006, Gassel et al. 2013).   

Assessment of sediment toxicity in the bay found that areas nearby naval shipyard, commercial shipping, 

and small boat operations exceeded established probable effect levels (PEL), and effects range median 

(ERM) for mercury (>0.69 µg.g-1 and > 0.71 µg.g-1, respectively) and other heavy metals (Fairey et al. 

1998). Due to elevated Hg and PCBs levels, a health advisory was published by the California Office of 

Environmental Health Hazard Assessment (OEHHA) in 2013 concerning the consumption of fish from 

SDB (Gassel et al. 2013). These guidelines placed upper trophic level fishes (i.e. Leopard Sharks; Gray 

smooth hound sharks) in the “not be consumed by women and children” category. In contrast, Komoroske 

et al., (2011) found low Hg concentrations in blood and carapace fragments (mean of 1.01 ng g-1 and 47.5 

ng g-1, respectively) of green turtles foraging in SDB, which are known to be predominantly herbivores 

feeding at low trophic levels. These previous findings suggest that, in addition to physical factors such as 

the discharging history by local sources that define background levels, understanding the trophic ecology 

of aquatic organisms and their interactions is at least equally crucial for assessing Hg bioaccumulation 

and biomagnification. 

SDB is home to a large number of marine organisms. In an extensive survey, 78 fish species were 

identified, with the most abundant species being the Northern Anchovy (Engraulis mordax), Topsmelt 

(Atherinops affinis) and Slough Anchovy (Anchoa delicatissima). The Round Stingray (Urobatis halleri) 

was considered the second most important species in terms of individual number, body weight, and 

frequency of occurrence; and, together with the Bat-ray (Myliobatis californica), they represent over 30% 

of total fish biomass in the bay (Allen et al. 2002). Other batoid species also occur, including the Butterfly 
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Ray (Gymnura marmorata), Shovelnose Guitarfish (Rhinobatos productus), Diamond Stingray (Dasyatis 

dipterurus) and Banded Guitarfish (Zapteryx exasperata) (Allen et al. 2002). 

Tomales Bay – TB (38.2° N, 122.93° W), Central California, is a narrow and relatively shallow small 

estuary located in Marin County. A diverse system, TB has intertidal, subtidal and benthic habitats, salt 

and freshwater marshes, mudflats and dunes. Shallow sand bars with seagrass beds dominates the bottom 

of lower bay zones, where tidal exchange and upwelling provide nutrients and control physicochemical 

water characteristics. In the inner zones, runoff, evaporation and rainfall are the major drivers of water 

properties where mud flats sustain benthic macro-algae communities (Smith et al. 1991, Smith and 

Hollibaugh 1997, TBWC 2003). 

Although TB’s watershed is predominantly rural with relatively low human impacts this area is blitzed by 

legacy Hg from historical mining activities. Recent Hg concentration measurements in upper trophic level 

fishes exceeds EPA safe limits (< 0.3 ppm) and is highest in Brown Smooth-hound Shark (1.31 ppm) and 

Leopard Shark (1.09 ppm), followed by Bat-ray (0.56 ppm) and Pacific Angelshark (0.43) (CRWQCB, 

2012; Johnson et al., 2009).  

2.2. Data collection 

To assess Hg bioaccumulation and temporal/spatial variation, we compiled Hg concentration and 

biometric data from six independent reports conducted in TB and SDB. Data from these reports were 

made available to the public by the Californica Department of Fish and Wildlife, and includes the NOAA 

Mussel Watch Program (1986 - 2010), Environmental Monitoring and Assessment Program (1999), the 

RWB9 San Diego Bay Oyster and lobster Studies (2015 to 2019), the California State Mussel Watch 

Program (1980 - 2004), and the Statewide Coast Sportfish SF Bay Regional Monitoring for Water Quality 

(1993 - 2009). From this large dataset, we selected species occurring in both locations and/or with at least 

ten observations across multiple years. Bioaccumulation relationships per species and location were 

created using linear regressions between total Hg (THg) concentration and animal size. To assess 

temporal and spatial variation in Hg accumulation data were grouped into year, decade, and region at each 

study site. Chosen species include the Common Mussel (Mytillus sp.), the California Spiny Lobster 
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(Panulirus interruptus), the Shiner Perch (Cymatogaster aggregate), the Black Surfperch (Embiotoca 

jacksoni), the White Seaperch (Phanerodon furcatus), the Kelp Bass (Paralabrax clathratus), the Spotted 

Sand Bass (Paralabrax maculatofasciatus), the Barred Sand Bass (Paralabrax nebulifer), the California 

Halibut (Paralichthys californicus), the Smooth-hound Sharks (Mustelus californicus and Mustelus 

henlei), the Pacific Angelshark (Squatina californica), the Leopard Shark (Triakis semifasciata), the Bat-

ray (M. californica), and the Round Stingray (U. halleri).  

To assess Hg biomagnification, we collected organisms from 2016 to 2019 composing the food web of 

the Bat-ray (Myliobatis californica) in each study area using multiple methods, such as entanglement nets, 

beach seine, and hook and line for fish and elasmobranch species, and hand tools for benthic invertebrates 

and primary producers. Sampled species includes M. californica, mollusks of the orders Mytilida and 

Veneridae, decapoda crustaceans of the genus Carcinus and Crangon, polychaetes, and the primary 

producers Zostera marina and macroalgae of the genus Ulva. Muscle tissues in M. californica were 

collected by a non-lethal method using 6mm diameter biopsy punches from the dorsal area of both 

“wings”. Animals were released in good health condition after each sampling procedure. Inverterbate 

species were collected and analyzed as whole organisms. Disc width, weight and sex (identified by 

presence/absence of claspers in males) were recorded for each M. californica individual. All samples 

were kept on ice in the field and stored frozen (- 20 oC) in the laboratory. In the laboratory, all samples 

were freeze-dried for 24h – 48h and homogenized using a porcelain mortar and pestle. For benthic 

invertebrates and primary producers, composite samples were obtained by pooling multiple individuals 

into the following groups: Mollusca, Crustacea, Polychaete, and Primary producer. We also included 

isotopic ratios of δ13C and δ15N in primary producers and invertebrates from San Diego Bay using the 

NOAA SWFSC database in order to characterize the food web isotopic baseline for the Hg 

biomagnification assessment.  

2.3. Chemical analysis 

Total mercury (THg) concentrations were determined using a dedicated Perkin Elmer Flow Injection 

Mercury System (FIMS) and Direct Mercury Analyzer (DMA-80 Milestone, Inc.), according to Slotton et 
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al., (2004) and the EPA Method 7473 (US EPA 2007), respectively. Calibration curves (n = 3) with an 

overall range varying from 0.5 to 200 ng Hg were established with a mean linearity coefficient (R2) of 

0.9998 ± 0.0001. We assured analytical quality (i.e. accuracy and reproducibility) of Hg measurements by 

using analytical blanks (every 10 samples) and certified reference materials (NRC DORM-3, BCR-463, 

NRC DOLT-4) in every analysis batch. Total Hg recovery ranged from 97.6% to 101.8% (100.8 ± 1.4%, 

n = 6) for BCR-463, 101.7% to 103.7% (102.5 ± 0.8%, n = 6) for NRC DOLT-4, and 88.0% to 97.7% 

(91.2 ± 3.7%, n = 12) for NRC DORM-3. The limit of detection is 0.002 µg.g-1 dry weight (d.w.). All Hg 

concentrations are expressed as µg.g-1 d.w. 

Isotopic determination in muscle tissues consisted of approximately 1.0 mg of tissue material loaded into 

sterilized tin capsules and analyzed by a continuous-flow isotope-ratio mass spectrometer in the Stable 

Isotope Laboratory at the University of Florida, Gainesville USA. All samples were analyzed for their 

δ15N, and %N values. A Carlo Erba NA 1500 Elemental Analyzer system interfaced via a ConFlo II 

device (Finningan MAT) to a Thermo Electron DeltaV Ad- vantage gas IRMS was used. Prior to exiting 

the elemental analyzer, combustion gas was measured using a thermal conductivity detector to determine 

percent compositions. USGS40 standards (9.52 % N, 40.82% C) were used for calibration. Sample stable 

isotope ratios relative to the isotope standard are expressed in the following conventional delta (δ) 

notation in parts per thousand (‰). 

δ = [(RSample/Rstandard )  – 1]  x 1000       (1) 

where Rsample and Rstandard are the corresponding ratios of heavy to light isotopes (15N/14N) in the sample 

and international standard (Air for nitrogen and Vienna Pee Dee Belemnite for carbon), respectively.  

2.4. Data analysis 

Linear regressions between THg vs. animal size was conducted to assess bioaccumulation in organisms 

from both study areas. Generalized linear models (GLM) were performed to determine the effects of 

factors (e.g. region, animal size, year, species, and genus) on THg concentrations. We also tested for 

differences in THg concentration among factors using the size normalized THg concentrations (hereafter 

THgnorm). THg concentration was divided by total length of each individual, and then, standardized to the 
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sample mean by multiplying by the location-specific mean length for the species (total length data are 

provided in Tab. 3. 1) (Scudder Eikenberry et al. 2015). Variables THg and THgnorm were log transformed 

to improve normality and homogeneity of variance. To select the best model we used the “stepAIC” 

function in the MASS R package that is based upon the Akaike Information Criterion (AIC) (Bentzen et 

al. 2016). 

For Hg biomagnification assessment, parametric and non-parametric Analysis of Variance (ANOVA) was 

conducted using THg and THgnorm as dependent variables to test for differences among factors. Parametric 

assumptions of the data were tested using Shapiro Wilks and Levene’s test. We used δ15N as a proxy for 

trophic position and then applied linear regressions to estimate biomagnification using the following 

equation:  

log10[Hg] = δ15N(b) + a          (1) 

where the slope (b) is an indicator of biomagnification potential used to calculate the Trophic 

Magnification Factor (TMF) (Borgå et al. 2012) according to the following equation:   

TMF = 10b            (2) 

If the slope is significant and positive (TMF > 0), Hg biomagnification is considered happening in the 

food web (Conder et al. 2012). Biomagnification was also assessed using linear regression of Log10[THg] 

vs. trophic level (TL) of organisms. TL was calculated from δ15N values according to the following 

equation:  

TLconsumer = (δ15Nconsumer - δ15Nbaseline)/ Δ15N + λ        (3) 

where λ is the trophic level of the baseline organism (TL = 2 for primary consumers – filter-feeding 

mollusks), TLconsumer is the trophic level of the target consumer, and δ15Nconsumer and δ15Nbaseline are δ15N 

values of the target consumer and the baseline organism, respectively. Trophic discrimination factors 

(Δ15N = δ15Nconsumer - δ15Nprey) used include the elasmobranch-specific value of 2.29 ± 0.22 ‰ reported by 

Hussey et al., (2010) applied for M. californica, and the more generally used value of 3.4 ± 0.98 ‰ 

reported by Post (2002) applied elsewhere. The M. californica’s food web in both study areas was 

composed by tertiary consumers (M. californica), secondary consumers (polychaetes, Carcinus sp. and 
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Crangon sp.), primary consumers (Mytillus sp. for both location; and Chione sp. for SDB), and primary 

producers (Zostera. marina for both locations; and Ulva sp. for TB). All statistical analyses and plots 

were performed using R version 3.4.3 (R Core Team, 2017). Statistical significance was defined as p < 

0.05. 

3. Results 

3.1. Temporal variation in Hg contamination 

In SDB, Hg data in mussels ranged from years 1985 to 2020 (n = 106). THg concentrations did not vary 

significantly across decades or years (Kruskal-Wallis, Wdecade =, Wyear = 5.2, p > 0.09) (Fig. 3. 1). We also 

employed a size normalized THg concentrations (THgnorm) to remove the effect of size on Hg 

concentration. THgnorm were found to not vary significantly across decades and years (Kruskal-Wallis, 

Wdecade = 5.97, Wyear = 21.4, p > 0.11). In contrast, when treating year as a continuous variable, a linear 

regression showed a significant negative association between year and THg (p = 0.02). In TB, Hg data in 

mussels ranged from years 1979 to 2019 (n = 78). THg concentrations were found to differ significantly 

among decades and years (Kruskal-Wallis, Wdecade = 14.7, Wyear = 41.9, p < 0.005) with THg levels in the 

2010s (0.16 ± 0.04 µg.g-1) significantly lower compared to 1990s (0.21 ± 0.06 µg.g-1) and 2000s (0.24 ± 

0.1 µg.g-1) (Wilcoxon, p < 0.04) (Fig. 3. 1). In contrast, THgnorm did not vary among decades or years (p > 

0.52). When treating year as a continuous variable, a linear regression showed no significant association 

between year and THg (p = 0.29). For the Shiner Perch, 27 individuals were collected including years 

2001 (n= 1), 2002 (n = 3), 2009 (n = 22), and 2018 (n = 1) in SDB. Fish size differed significantly among 

years (Kruskal-Wallis, W = 9.96, p = 0.02). In contrast, size normalized THg concentrations (THgnorm) did 

not vary significantly among years (ANOVA, F3, 23 = 0.52, p = 0.67). Similarly, a linear regression 

showed no significant trend in Hg contamination among the four sampled years comprising a 17 years 

period (p = 0.17). In TB, 19 individuals were collected including years 1998 (n = 2), 1999 (n = 4), 2001 

(n = 2), and 2009 (n = 11). Fish size differed significantly among years (ANOVA, F3, 15 = 8.0, p = 0.002). 

In contrast, size normalized THg concentrations (THgnorm) were found to not vary significantly among 
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years (ANOVA, F3, 15 = 1.47, p = 0.26). Similarly, a linear regression showed no significant trend in Hg 

contamination among the four sampled years comprising a 11 years period (p = 0.18). 

For Bat-ray, 26 individuals were collected including years 2016 (n = 13) and 2019 (n = 13) in SDB. 

Animal size did not vary between years. In contrast, THg and THgnorm concentrations were significantly 

greater in 2016 (1.4 ± 0.2 µg.g-1) compared to 2019 (0.9 ± 0.1 µg.g-1) (t test, t = 7.2, p < 0.001) (Fig. 3. 2). 

In TB, 30 individuals were collected including years 1998 (n = 1), 1999 (n = 2), 2001 (n = 12), 2018 (n = 

2), and 2019 (n = 13). Animal size in 1990s (29.6 ± 11.4 cm) were significantly smaller compared to 

2000s (60.6 ± 6.19 cm) and 2010s (66.2 ± 7.17 cm) (Wilcoxon pairwise post-hoc, p < 0.02). THgnorm 

concentrations were significantly greater in 1990s (4.98 ± 1.1 µg.g-1) compared to 2000s (1.92 ± 0.64 

µg.g-1) and 2010s (0.54 ± 0.76 µg.g-1) (Wilcoxon pairwise post-hoc, p < 0.008) (Fig. 3. 2). For the 

California Halibut six individuals were collected in 1999 (n = 4), 2002 (n = 1), and 2018 (n = 1) in SDB. 

In TB, 15 individuals were collected in 1998 (n = 2), 1999 (n = 1), and 2001 (n = 12). For barred bass (P. 

nebulifer), 21 individuals were collected in 1999 (n = 4), 2002 (n = 5), and 2009 (n = 12) in SDB. Fish 

size in 1999 (20.3 ± 9.6 cm) was significantly different compared to 2009 (37.1 ± 6.6 cm) (Wilcoxon 

pairwise post-hoc, p = 0.039). No difference in fish size was found when comparing 2002 with 2009, and 

2002 with 1999 (p > 0.2). In contrast, THgnorm concentrations did not differ among years (ANOVA, F2, 18 

= 0.226, p = 0.8). For spotted bass (P. maculatofasciatus), 82 individuals were collected in 1999 (n = 4), 

2000 (n = 2), 2001 (n = 18), 2002 (n= 1), 2009 (n = 24), and 2018 (n = 33). Fish size differed significantly 

among years (Kruskal-Wallis, W = 21.9, p < 0.001). THgnorm concentrations were significantly lower in 

2018 (0.61 ± 0.3 µg.g-1) compared to 2001 (0.91 ± 0.2 µg.g-1) (Tukey HSD post-hoc, p = 0.0004). No 

significant differences were observed for THgnorm among other years (p > 0.07). When treating year as a 

continuous variable, a linear regression showed a significant association of year with THgnorm (p < 0.001) 

(Fig. 3. 3). For the Round Stingray (U. halleri), 28 individuals were collected in 2001 (n = 10), and 2017 

(n = 17) in SDB. Animal size differed significantly between 2001 (17.3 ± 1.9 cm) and 2017 (13.9 ± 1.1 

cm) (t test, t = 5.88, p = 3.3e-6). Similarly, THgnorm concentrations were significantly greater in 2001 (1.1 

± 0.2 µg.g-1) compared to 2017 (0.6 ± 0.2 µg.g-1) (t test, t = 5.01, p < 0.001).  
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3.2. Site differences in Hg contamination 

For the mussel (Mytillus sp.), animal size did not differ significantly between SDB (5.7 ± 0.6 cm) and TB 

(5.1 ± 1.3 cm) (Wilcoxon, p = 0.053). In contrast, THg concentration was on average greater in SDB 

(0.26 ± 0.14 ug.g-1) compared to TB (0.21 ± 0.1 ug.g-1) (p = 0.002). For the Shiner Perch (C. aggregata), 

size was greater in SDB (11.7 ± 1.2 cm) compared to TB (9.1 ± 2.4 cm) (t test, t = 4.46, p < 0.001). In 

contrast, average THgnorm concentration was significantly greater in TB (0.28 ± 0.08 µg.g-1) compared to 

SDB (0.22 ± 0.08 µg.g-1) (t test, t = -2.17, p = 0.03). For the Smooth-hound Sharks (Mustelus sp.), animal 

size was greater in TB (86.6 ± 4.03 cm) compared to SDB (72.1 ± 9.28 cm) (Wilcoxon, p < 0.001). 

Similarly, THgnorm concentrations were significantly greater in TB (4.95 ± 1.04 µg.g-1) compared to SDB 

(1.81 ± 0.68 µg.g-1) (Wilcoxon, p < 0.001). For the Bat-ray (M. californica), comparisons were limited to 

the 2010 decade. Animal size did not differ between SDB (62.7 ± 8.3 cm) and TB (60.3 ± 12.8 cm) 

(Wilcoxon, p = 0.1). In contrast, average THg was significantly greater in TB (1.59 ± 0.42 µg.g-1) 

compared to SDB (1.14 ± 0.33 µg.g-1) (t test, t = -3.61, p = 0.001). For the halibut (P. californicus), fish 

size was significantly greater in TB (66 ± 8.6 cm) compared to SDB (35 ± 20.2 cm) (Wilcoxon, p = 

0.003). Similarly, THgnorm concentrations was significantly greater in TB (0.7 ± 0.2 µg.g-1) compared to 

SDB (0.4 ± 0.11 µg.g-1) (Wilcoxon, p = 0.001). For Leopard Sharks (T. semifasciata), animal size did not 

differ between SDB (95.1 ± 23.4 cm) and TB (102 ± 10.9 cm) (t test, t = -0.62, p = 0.56). Similarly, THg 

concentrations were significantly greater in TB (4.0 ± 0.9 µg.g-1) compared to SDB (3.1 ± 2.6 µg.g-1) (t 

test, t = -0.82, p = 0.45). For the California Halibut, we pooled data from all years at each location to 

compare fish size and THg concentrations. Fish size was significantly greater in TB (66 ± 8.6 cm) 

compared to SDB (35 ± 20.2 cm) (Wilcoxon, p = 0.003). Similarly, THgnorm was significantly greater in 

TB (0.72 ± 0.2 µg.g-1) compared to SDB (0.41 ± 0.1 µg.g-1) (Wilcoxon, p = 0.002).  

3.3. Spatial variation in THg within each study area 

We analyzed only Mytillus sp. as this is the only sessile organism with contamination data ranging 

various parts of the bay within each study site. For SDB, no significant difference in average THg 

concentrations was observed among areas (North bay – 0.27 ± 0.2 µg.g-1; Central bay – 0.24 ± 0.1 µg.g-1; 
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South bay – 0.18 ± 0.1 µg.g-1) (Kruskal-Wallis, W = 3.36, p = 0.19). For TB, THg levels differed 

significantly between various parts of the bay (Wilcoxon, W = 0.92, p = 0.0002) with greater THg in the 

outer bay (0.26 ± 0.08 µg.g-1) compared to the inner bay area (0.17 ± 0.05 µg.g-1).  

3.4. Hg bioaccumulation relationships 

Linear regressions between animal size (total length) and THg concentration are shown in Table 3. 2. A 

significant and positive association was observed for the Shiner Perch (both locations p < 0.04), the 

Smooth-hound Sharks (both locations, p < 0.03), the Kelp Bass (SDB, p = 0.02), the Round Stingray 

(SDB, p < 0.001), the Barred bass (SDB, p < 0.001), the California Halibut (SDB, p = 0.01), the Pacific 

Angelshark (TB, p = 0.018), the spotted bass (SDB, p < 0.001), and the Leopard Shark (both location, p < 

0.012). For all other species, the association between THg and size was not statistically significant.  

3.5. Factors associated with THg variation 

Variation in THg was assessed separately at each site (Tab. 3. 2). The initial model included all factors 

(e.g. species, region, decade, genus, and year), interaction terms, and one dependent variable (e.g. 

log[THg],  or log[THgnorm]). Animal size was also included as a covariate for the log[THg] model. For 

SDB, the best model describing log[THg] variation included species, region, animal size, year; and the 

interaction terms species*region, and species*animal size (AIC = 249.9, Adjusted-R2 = 0.76, F48, 323 = 

21.9, p-value < 0.001). We ran models including size normalized THg concentrations (Log[THgnorm]) to 

correct for the effect of animal size in Hg concentrations. The best model describing log[THgnorm] 

variation included species, region, and year (AIC = 197.0, Adjusted-R2 = 0.70, F37, 344 = 24.3, p-value < 

0.001).  

For TB, the best model describing log[THg] variation included species, region, animal size, year, and the 

interaction terms species*animal size and animal size*year (AIC = 177.6, Adjusted-R2 = 0.97, F28, 99  = 

103.6, p-value < 0.001). The best model describing log[THgnorm] variation included species, year, and the 

interaction term species*year (AIC = 154.4, Adjusted-R2 = 0.95, F22, 105 = 101.6, p-value < 0.001).  

3.6. Total Hg biomagnification 



126 

Trophic levels (calculated using eq. 3) of organisms ranged from 1.5 ± 0.3 in primary producers to 3.2 ± 

0.3 in batoids for SDB, and from 1.2 ± 0.1 in primary producers to 3.1 ± 0.5 in batoids for TB (Tab. 3. 3). 

δ15N values ranged from 15.2 ± 0.8 ‰ in batoids to 10.0 ± 1.1 ‰ in primary producers for SDB, and from 

15.1 ± 1.1 ‰ in batoids to 10.0 ± 0.2 ‰ in primary producers for TB (Tab. 3. 3). Average δ15N values in 

SDB (all species groups) was significantly different compared to TB (ANOVA, F1,125 = 59.5, p < 0.001). 

There was a significant interaction between location and species groups (F4,125 = 3.01, p = 0.02). For 

comparisons between SDB and TB within a group, no significant difference was found (e.g. TB-

batoids:SDB-batoids, TB-crustacean:SDB-crustacea, TB-mollusca:SDB-mollusca, TB-polychaete:SDB-

polychaete, and TB-primary producers:SDB-primary producers) (Tukey HSD posthoc, p > 0.05). For 

comparisons among groups within each location, δ15N values in batoids were higher compared to all other 

groups for SDB (p < 0.001) and TB (p < 0.04), except compared to polychaete in SDB (p > 0.05).  δ15N 

values in polychaetes were higher compared to crustacea, Mollusca and primary producers for SDB (p < 

0.05) but not significantly different in TB (p > 0.05) (Fig. 3. 4). No significant differences were found for 

δ15N values between crustacean and mollusca groups in SDB (p > 0.05) and among crustacea, Mollusca, 

and polychaete in TB (p > 0.05) (Fig. 3. 4).  

Total Hg ranged from 1.1 ± 0.3 µg.g-1 in batoids to 0.02 ± 0.01 µg.g-1 in primary producers for SDB, and 

from 1.6 ± 0.4 µg.g-1 in batoids to 0.04 ± 0.03 µg.g-1 in primary producers for TB (Tab. 3. 3). Average 

concentration of THg in SDB (all species groups) was not significantly different from TB (ANOVA, F1,72 

= 0.42, p = 0.52). A positive and significant association was found between THg concentration and δ15N 

values for SDB (R2 = 0.75, p < 0.001) and TB (R2 = 0.7, p < 0.001) (Fig. 3. 5). Trophic magnification 

factor (TMF, eq. 2) for SDB and TB was 1.82 and 1.99, respectively.  

4. Discussion 

Since 1888 and until 1960s, San Diego Bay was a disposal site for untreated domestic and industrial 

sewage discharges. By 1964, domestic sewage disposal had been eliminated and beginning in 1972, 

through the U.S. Clean Water Act,  pollution control programs were implemented creating regulatory 

standards for the protection of residents and wildlife (Fairey et al. 1996). These standards improved 
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conditions in the Bay, but more than 25 years later toxicity from heavy metals and Persistent Organic 

Pollutants (POPs) was still pervasive in San Diego Bay especially in areas of industrial and shipping 

activities (Fairey et al. 1998). Currently, much of the San Diego Bay shoreline is listed on the Clean 

Water Act section 303(d) List of Water Quality Limited Segments for elevated levels of heavy metals in 

the marine sediment (CRWQCB 2012b). Specifically, recent Hg concentrations reported for sediments in 

San Diego Bay ranged from 0.26 µg.g-1 in the Central region to 0.44 µ.g-1 in the North region (Bay et al. 

2016). Although these levels are within the range in which toxicity effects would occasionally occur 

(Long et al. 1995), a decline in Hg levels is observed compared to values reported during 1990s (Fairey et 

al. 1998). However, Hg levels in sediment do not always reflect accumulation in biota because 

bioavailability of Hg is dependent on factors, such as chemical speciation, complexation, and methylation 

processes (Benoit et al. 1999). In the present study, we found contrasting results regarding temporal 

variations in Hg contamination in the biota of San Diego Bay. Significant decline trends in THgnorm were 

observed over a period of more than 10 years in P. clathratus, U. halleri, P. maculatofasciatus, and 

Mytillus sp. (THg only) (p < 0.002, Fig. 3. 3). In contrast, no significant trend was observed for C. 

aggregata, and P. californicus (p > 0.28, Fig. 3. 6). Our results suggest that Hg loads in the biota of San 

Diego Bay is slowly declining over time, but this trend is not consistent among all studied species.   

Tomales Bay is within the California Coast Range mercury mineral belt and is impacted by the legacy of 

historic Hg and gold mining, as well as runoff water coming from the highly mercury-mineralized rocks 

(Whyte and Kirchner 2000). In a landmark Hg contamination episode during 1982, this estuary received a 

significant amount of poorly sorted Hg-rich sediment originated from a dam failure in a Hg mine site 

within the Tomales Bay watershed (Whyte and Kirchner 2000). The discharge of mine waste into the 

Walker Creek, one of the two major streams flowing into the estuary, continued until 1999 when 

remediation of the mine site was concluded (Smelser and Whyte 2001). Between 1998 and 2003, the 

average Hg concentrations in sediments at the Walker Creek Delta ranged from 0.9 to 3.1 μg.g-1, whereas 

other areas within the estuary ranged from 0.05 to 0.5 μg.g-1 (Johnson et al. 2009). Since the remediation, 

cleaner sediment is burying the mining waste accumulated at the Delta, but Tomales Bay is still listed on 
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the Clean Water Act section 303(d) List of Water Quality Limited Segments for elevated levels of Hg 

(CRWQCB 2012a). In the present study, we found contrasting results regarding temporal variation in Hg 

contamination in the Tomales Bay. A significant decline trend in THgnorm over a period of more than 10 

years was observed in M. californica (p = 0.004). In contrast, a non-significant trend was observed in T. 

semifasciata, M. henlei, C. aggregate, and Mytillus sp. (p > 0.19). Our results suggest that Hg loads in 

biota still reflect legacy contamination in Tomales Bay. Interestingly, when analyzing Hg loads in 

mussels (Fig. 3. 1), we observe greater Hg concentrations between 1997 and 2002, corresponding to the 

period affected by the mine dam failure. The most recent data collected in 2019 showed a lower Hg 

concentration level that is comparable to the period prior the contamination episode during 1982.  

A previous study assessing Hg contamination trends using mussels in California also found inconsistent 

patterns in concentrations from 1980 to 2010 (Melwani et al. 2013). These authors reported that for one 

site (Coronado Bridge) in San Diego Bay a significant decline in Hg contamination was observed 

between 1989 (0.18 µg.g-1 on average) and 2007 (0.07 µg.g-1 on average), while no significant trend was 

observed in another site (Shelter Island) during a similar time period (1980 to 2010). They also found no 

significant trend for Tomales Bay from 1980 to 2010 (Melwani et al. 2013), which is consistent with our 

findings.     

In regards to spatial variation in Hg contamination, we observed no significant variation in Hg levels in 

Mytillus sp. among the three major estuarine regions (e.g. north, central, and south). This result is similar 

to previous findings on Hg contamination in plankton, fish, and invertebrates from San Diego Bay (Bay et 

al. 2016). These authors found no significant differences in Hg concentrations among regions. They 

collected sport and forage fish species, and benthic invertebrates, including mollusk and crustaceans, 

between 2013 and 2015. Differences among regions were only observed for Hg levels in sediments and 

polychaetes and were greater in the central region compared to north and south (Bay et al. 2016).  As 

stated previously, metal concentration in the sediment is not always reflected in biota (Benoit et al. 1999). 

An example of this is differences between the heavy metal contamination gradients and the accumulation 

in benthic biota found in San Diego Bay (Deheyn and Latz 2006). These authors reported an increasing 
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gradient in 15 elements (Hg not included) in sediment from the mouth to the back of the estuary. 

However, accumulation of these elements measured in transplanted brittles stars were similar throughout 

the estuary (Deheyn and Latz 2006). Their finding highlights the importance of using multiple organisms 

to assess spatial and temporal variation in contamination.  

In the present study, we found a greater concentration of THg in Mytillus sp. in the outer region compared 

to inner region of Tomales Bay. The outer region is characterized by shallow sand bars with seagrass beds 

dominating the bottom, and where tidal exchange and upwelling control physicochemical characteristics. 

In the inner zones, runoff, evaporation and rainfall are the major drivers of water properties (Smith et al. 

1991, Smith and Hollibaugh 1997, TBWC 2003). The inner region of Tomales Bay is also characterized 

by the presence of mud-flats, increased concentrations of organic matter, greater water residence time, 

and higher temperatures which all can favor Hg methylation by sulfate-reducing bacteria (Marvin-

DiPasquale and Agee 2003). However, the outer region is where the Walker Creek Delta is located which 

also present a relatively large intertidal mudflat that can favor Hg methylation. Previous studies have 

found similar results with transplanted mussels presenting greater Hg level in the Walker Creek Delta 

compared to areas in the back of the estuary (Johnson et al. 2009).    

4.1. Hg bioaccumulation 

Hg bioaccumulation is common in aquatic organisms as Hg uptake is strongly correlated with diet (Hall et 

al. 1997). We found significant and positive association of THg and animal size in the majority of studied 

species, indicating bioaccumulation of this pollutant (Tab. 3. 2). Positive association of Hg with body size 

is often reported for fishes with carnivore and piscivore feeding habits, and/or occupying upper trophic 

levels (Cai et al. 2007). Although increasing Hg concentrations with body length is generally expected, 

other factors such as sexual dimorphism and ontogenetic changes in diet can mask this association driving 

differences in bioaccumulation patterns (Stacy and Lepak 2012).  

In the present study, Hg was positively associated with fish size in species with carnivorous diets and 

occupying a tertiary consumer level in the trophic web (e.g. M. californicus, U. halleri, S. californica, P. 

californicus, T. semifasciata, P. clathratus, P. nebulifer, P. maculatofasciatus) (Tab. 3. 2), but also in C. 
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aggregata which feeds on zooplankton and bethic invertebrates (Miller and McGowan 2013). Fish size 

range is also important when assessing Hg vs. body size relationships. For example, P. californicus in 

SDB presented a positive and significant relationship, but not in TB (Tab. 3. 2). This is mainly attributed 

to the size range of individuals in TB (55.9 – 87.6 cm) comprising only adults, while in SDB (20.6 – 62.3 

cm) juvenile and adults occurred. Similarly, for P. interruptus the sampled population included only 

adults (6.1 – 8.5 cm) and, thus, were too narrow in range. Previous studies have found a positive and 

significant relationship between Hg concentration and body size for this species (Loflen et al. 2018). It is 

worth to mention that for some species in our dataset (i.e. Mytillus sp.), Hg concentration data spanned 

over several decades, which added additional variability outside of the THg-size relationship.  

4.2. Factors associated with THg variation 

Generalized linear models designed for each study area showed that the factors that better explained THg 

variation were species, year, and region (Tab. 3. 4). In TB, the best model explained 95% of THg 

variation and included factors such as species, year, and the interaction term species*year. We interpreted 

this interaction term as an effect of an unbalanced design, in which not all the species occurred in all 

sampled years. In SDB, the best model included the same factors in addition to region, and explained 70% 

of THg variation. Interestingly, the effect of region was not significant in any of our models, but it was 

still important in describing Hg variation in this location. As discussed previously, the temporal and 

spatial variation observed in both study sites were accounted for in the best models. Body size was less 

consistent, mostly due to narrow size ranges in our samples, but still a significant factor, which highlights 

the importance of using size standardization for THg concentration when comparing different species, 

locations, and years.   

4.3. Total Hg biomagnification 

M. californica food webs in San Diego Bay and Tomales Bay had similar structure being composed of 

primary producers and consumers, secondary consumers and tertiary consumers. On average, THg levels 

were not different between SDB and TB, and Hg biomagnification was observed on both food webs (Fig. 

3. 7). The slope from the linear regression between Log[THg] and δ15N values is an indicator of 
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biomagnifying potential in the food web (Lavoie et al. 2013). The similar trophic magnification slope (b) 

in TB (b = 0.34) and SDB (b = 0.30) suggest that Hg biomagnifying potential is similar between both 

locations. In fact, average Hg levels were not significantly different between SDB and TB, except for 

batoids in TB that was greater compared to SDB (Fig. 3. 7). That is likely why the Trophic magnification 

factor estimated for TB (TMF = 1.99) is slightly greater compared to SDB (TMF = 1.82).  

Overall, we expected to find similar TMFs between SDB and TB as these areas share several similarities 

regarding factors affecting Hg biomagnification.  Both areas are classified as low-inflow estuaries, which 

means that in these estuaries salinity gradient, estuarine circulation, (e.g. water residence time, and 

mixing rates) and the supply of nutrients depend mostly on the daily tide oscillations (Largier et al. 1997). 

These are all important aspects controlling physicochemical parameters and Hg transport and fate in the 

estuary, which also affect biomagnification process (Lavoie et al. 2013). As seen previously, food web 

composition was very similar between SDB and TB. As properties of organisms composing the food web 

is a major factor, having similar food web structure may also explain why the two estuaries having similar 

TMFs (Borgå et al. 2012). Latitude has been shown to be an important factor to explain variation of TMF 

in food webs worldwide (Lavoie et al. 2013), with higher latitudes (polar and temperate) presenting a 

greater biomagnification potential compared to lower tropical latitudes. The fact that, in the present study, 

both estuaries are located within the temperate latitude range also contributes to the similar TMF between 

food webs. The biggest difference between these estuaries is the source input of Hg. In SDB, Hg 

contamination has diffuse sources (e.g. atmospheric deposition, and urban/industrial runoff), while in TB 

a major portion of Hg entering the system comes from past mining activities in the watershed (Johnson et 

al. 2009, CRWQCB 2012b).  

When comparing TMFs estimated in the present study with other food webs worldwide, the estimated 

values for SDB and TB are higher compared to tropical food webs. In a study conducted in contaminated 

and pristine areas in Brazil, the authors reported TMFs ranging from 1.19 to 1.67 (Bisi et al. 2012). 

Despite the fact that these tropical food webs included large marine mammals, such as the Guiana dolphin 

(Sotalia guianensis), the TMFs estimated for SDB and TB were still higher. It is worth mentioning that 
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these values are within the range reported for marine ecosystems in temperate (1.66 ± 1.29) and polar 

(1.62 ± 1.17) regions worldwide as reported by Lavoie et al., (2013). According to these authors, there are 

no consensus about the main variables affecting Hg biomagnification across aquatic systems. The greater 

TMFs found for sites in the present study compared to tropical ecosystems can be a result of large-scale 

latitudinal differences. For example, growth rate in fish can increase with temperatures, due to a faster 

metabolism and trophic transfer efficiency (O’Gorman et al. 2016), which can modulate Hg 

concentrations resulting in reduced accumulation as the fish grows (i.e. growth dilution) (Simoneau et al. 

2005). Also, fish from colder environments has shown slower excretion rates which can facilitate Hg 

accumulation in temperate aquatic ecosystems compared to tropical ones (Trudel and Rasmussen 1997). 

Other factors known to affect Hg biomagnification includes physicochemical characteristics of the 

system, such as dissolved organic carbon, Hg deposition, and total phosphorus (Lavoie et al. 2013). 

Although we did not measure these factors, it is possible that they are also contributing to differences in 

TMFs between sits in the present study compared to tropical sites. We suggest these factors to be taken 

into account in future studies.  

5. Conclusion 

In the present study, we found that Hg trophodynamics in these two temperate systems are mainly 

controlled by species type, trophic level, and body size, with a large effect of temporal variability. Hg 

levels are relatively high in both locations as reported previously in the literature and a decline trend over 

time was observed for several fish species. The small scale of latitude variation was not sufficient to 

produce differences in TMFs, and the values estimated in the present study are within the range observed 

for other temperate sites. Our results contribute to the understanding of Hg bioaccumulation and 

biomagnification by providing empirical data to describe factors associated with these processes in two 

temperate coastal ecosystems. 
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Figure 3. 1 – Boxplot of THg in mussels in SDB (left) and TB (right) across multiple decades. 
Significance symbols: ***p = 0.0001, **p = 0.001. 
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Figure 3. 2 - Boxplot of THg in Bat-ray in SDB (left) across two years. Significance symbols: ***p = 0.0001, 
**p = 0.001, *p = 0.01.



135 

 

Figure 3. 3 – Significant trend lines in Total THgnorm for 4 studied species over more than a 10 year period 
in SDB.
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Figure 3. 4 – Boxplot of δ15N values among groups in SDB (left) and TB (right). 
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Figure 3. 5 – Linear regression of Log[THg] ppm dw vs. δ15N in SDB and TB food webs. 
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Figure 3. 6 – Non-significant trend lines in Total THgnorm for 2 studied species in SDB
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Figure 3. 7 – Boxplot of THg among groups in SDB (left) and TB (right). 
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Table 3. 1 – Biometric data, year range, and sample size of target species from SDB and TB.  

Species Common 
name 

n location Year range Size (cm) Feeding 
habit 

Cymatogaster 
aggregata 

Shiner Perch 27 Sdb 2001 – 2018 11.7 ± 1.2 (9.3 – 15.8) Zooplankton 
(and benthic 
invertebrates)a 

Cymatogaster 
aggregata 

Shiner Perch 19 tb 1998 - 2009 9.1 ± 2.4 (5.4 – 13.2) Zooplankton 
(and benthic 
invertebrates)a 

Embiotoca jacksoni Black 
Surfperch 

13 sdb 1999 - 2002 20.6 ± 6.1 (10.8 – 28.4) invertebrates, 
primarily 
amphipodsb 

Mustelus californicus Gray 
Smooth-
hound Shark 

20 sdb 2002 – 2009 72.1 ± 9.3 (58.6 – 92.4) Crabsc 

Mustelus henlei Brown 
Smooth-
hound Shark 

16 Tb 1998 – 2009 86.6 ± 4.0 (79 – 92.4) Crabs and 
fishd 

Myliobatis californica Bat-ray 26 Sdb 2016 – 2019 62.7 ± 8.3 (50.5 – 84.5) Polychaete, 
molllusk 

Myliobatis californica Bat-ray 30 Tb 1998 – 2019  60.3 ± 12.8 (18.8 – 80) Polychaete, 
molllusk 

Mytillus sp. Common 
Mussel 

78 
(16)* 

Tb 1979 – 2019 5.0 ± 1.3 (2.5 – 7.0) Filter feeding 

Mytillus sp. Common 
Mussel 

207 
(108)* 

Sdb 1980 – 2020 5.6 ± 0.65 (2.5 – 7.1) Filter feeding 

Panulirus interruptus California  
Spiny 
Lobster 

19 Sdb 2013 – 2015  7.4 ± 0.5 (6.1 – 8.5) Crustaceans 
and molluskse 

Paralabrax clathratus Kelp Bass 22 Sdb 2001 – 2018 29.3 ± 3.9 (20.5 – 35.2)  
Paralabrax 
maculatofasciatus 

Spotted Sand 
Bass 

82 Sdb 1999 – 2018  30 ± 4.8 (19 – 40.3) Decapods and 
fishesf 

Paralabrax nebulifer Barred Sand 
Bass 

21 Sdb 1999 – 2009  33.2 ± 9 (15.3 – 49.7) Crustaceans, 
mollusks, and 
epibenthic 
fishesg 

Paralichthys 
californicus 

California 
Halibut 

15 Tb 1998 – 2001  66 ± 8.6 (55.9 – 87.6) Epibenthic 
fishes and 
crustaceansh 

Paralichthys 
californicus 

California 
Halibut 

6 SDB 1999 – 2018   35 ± 20.2 (20.7 – 62.3) Epibenthic 
fishes and 
crustaceansh 

Phanerodon furcatus White 
Seaperch 

11 Tb 2009 11.9 ± 2.7 (10.3 – 19.7) Amphipods 
and mollusksi 

Squatina californica Pacific 
Angelshark 

21 Tb 1999 – 2001  103.1 ± 3.7 (93 – 109) Demersal 
fishesj 

Triakis semifasciata Leopard 
Shark 

22 Tb 1999 - 2009 101.8 ± 10.8 (90 – 
121.5) 

Crustaceans 
and fishesl 

Triakis semifasciata Leopard 
Shark 

5 SDB 2002 95.1 ± 23.4 (72 – 
134.2) 

Crustaceans 
and fishesl 

Urobatis halleri Round 
Stingray 

28 Sdb 2001 – 2017 16.1 ± 2.3 (12.4 – 21.2) Mollusks 

* sample size of individuals with shell length information. a Odenweller 1975.  b Schmitt and Holbrook 
(1984). c Talent (1982). d Pantoja-Echevarría et al., (2020). e Castañeda-Fernández et al., (2005). f 

Mendoza-carranza et al., (2000). g Roberts et al. (1984). h Plummer et al. (1983). i Ellison et al. (1979). j 

Escobar-Sánchez et al. (2006). l Russo, (1975). 
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Table 3. 2 – Linear regressions between THg (ug.g-1) and animal size (cm) assessing bioaccumulation of 
Hg in SDB and TB food webs. 

 Location n Slope  Intercept R2 P value 

Common Mussels 
SDB 207 0.039 0.016 0.016 0.19 
TB 78 0.040 -0.99 0.22 0.07 

Shiner Perch 
SDB 27 0.030 -0.13 0.16 0.04 
TB 19 0.045 -0.12 0.67 <0.001 

Smooth-hound Sharks 
SDB 20 0.009 -0.45 0.23 0.03 
TB 16 0.020 -1.1 0.55 <0.001 

Round Stingray SDB 28 0.050 -0.96 0.43 <0.001 
Kelp Bass SDB 22 0.020 -1.1 0.25 0.018 
Barred bass SDB 21 0.018 -0.99 0.62 <0.001 

California Halibut 
SDB 6 0.013 -0.92 0.84 0.01 
TB 15 0.004 -0.46 0.10 0.25 

Pacific Angelshark SDB 21 0.020 -1.8 0.26 0.018 

Leopard Shark 
SDB 5 0.012 -0.73 0.91 0.012 
TB 22 0.007 -0.11 0.54 <0.001 

Black surf perch SDB 13 -0.021 0.1 0.18 0.15 

Bat-ray 
SDB 26 0.002 -0.12 0.027 0.43 
TB 30 -0.004 0.45 0.12 0.06 

California Spiny Lobster SDB 19 0.011 -0.19 <0.001 0.9 
Spotted Bass SDB 82 0.018 -0.99 0.62 <0.001 
White Seaperch TB 11 0.018 -0.99 0.31 0.074 



 
 

Table 3. 3 – Average ± Standard Deviation (range, n size) of Trophic level (TL) (calculated using eq), Total Hg, and δ15N in M. californica food 
webs from San Diego Bay and Tomales Bay. 

 Species group TL Total Hg (µg.g-1) d.w δ15N (‰) 
San Diego Bay    
 Batoids 3.2 ± 0.3 (2.3 – 3.8, 26) 1.1 ± 0.3 (0.7 – 1.9, 26) 15.2 ± 0.8 (13.2 – 16.7, 

26) 
 Crustacea 2.3 ± 0.4 (1.6 – 2.7, 6) 0.04 ± 0.03 (0.02 – 0.07, 3) 12.5 ± 1.4 (9.9 – 13.8, 6) 
 Polychaete 2.9 ± 0.4 (2.4 – 3.3, 5) 0.05 (1) 14.7 ± 1.3 (12.8 – 16.1, 5) 
 Mollusca 2.0 ± 0.3 (1.6 – 2.4, 16) 0.12 ± 0.04 (0.04 – 0.18, 12) 11.5 ± 0.9 (10.2 – 13.0, 

16) 
 Primary producer 1.5 ± 0.3 (0.9 – 2.2, 47) 0.02 ± 0.01 (0.08 – 0.18, 2) 10.0 ± 1.1 (7.2 – 12.3, 47) 
Tomales Bay    
 Batoids  3.1 ± 0.5 (2.6 – 4.2, 15) 1.6 ± 0.4 (0.9 – 2.2, 15) 15.1 ± 1.1 (13.9 – 17.5, 

15) 
 Crustacea 1.9 ± 0.4 (1.5 – 2.2, 3) 0.03 ± 0.01 (0.02 – 0.04, 3) 12.3 ± 1.3 (10.9 – 13.3, 3) 
 Polychaete 2.2 ± 0.3 (1.9 – 2.4, 3) 0.11 ± 0.03 (0.08 – 0.14, 3) 13.0 ± 0.9 (12.1 – 14.0, 3) 
 Mollusca 2.0 ± 0.2 (1.7 – 2.3, 12) 0.16 ± 0.04 (0.1 – 0.2, 12) 12.5 ± 0.6 (11.4 – 13.4, 

12) 
 Primary producer 1.2 ± 0.1 (1.2 – 1.3, 2) 0.04 ± 0.03 (0.04 – 0.06, 2) 10.0 ± 0.2 (9.9 – 10.1, 2) 
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Table 3. 4 – Best generalized linear models for variation of log[THg], and log[THgnorm] in SDB and TB. 

Models location AIC df F R2 P value 
Log[THgnorm] ~ species + region + year SDB 197 37, 344 24.3 0.70 <0.0001 

Log[THgnorm] ~ species + year + species*year TB 151.4 22, 105 101.6 0.95 <0.0001 
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