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Comparison of Electrostatic
and Non-Electrostatic Models for U(VI) Sorption
on Aquifer Sediments
by Bhavna Arora1, James A. Davis2, Nicolas F. Spycher3, Wenming Dong3, and Haruko M. Wainwright2

Abstract
A non-electrostatic generalized composite surface complexation model (SCM) was developed for U(VI) sorption on contaminated

F-Area sediments from the U.S. Department of Energy Savannah River Site, South Carolina. The objective of this study was to test if
a simpler, semi-empirical, non-electrostatic U(VI) sorption model (NEM) could achieve the same predictive performance as a SCM
with electrostatic correction terms in describing U(VI) plume evolution and long-term mobility. One-dimensional reactive transport
simulations considering key hydrodynamic processes, Al and Fe minerals, as well as H+ and U surface complexation, with and without
electrostatic correction terms, were conducted. The NEM was first calibrated with laboratory batch H+ and U(VI) sorption data on
F-Area sediments, and then the surface area of the NEM was adjusted to match field observations of dissolved U(VI). Modeling
results indicate that the calibrated NEM was able to perform as well as the previously developed electrostatic model in predicting
the long-term evolution of H+ and U(VI) at the site, given the variability of field-site data. The electrostatic and NEM models yield
somewhat different results for the time period when basin discharge was active; however, it is not clear which modeling approach
may be better to model this early time period because groundwater quality data during this period were not available. A key finding
of this study is that the applicability of NEM (and thus robustness of its predictions) to the field system evolves with time and is
strongly dependent on the pH range that was used to develop the model.

Introduction
Remediation strategies based on natural attenuation

for aquifers contaminated with radionuclides, toxic
metals, and inorganic contaminants often rely on sorption
to minerals (Weber et al. 1991; Anderson et al. 2003;
Stollenwerk 2003; Arora et al. 2016a, 2016b). While
there is general consensus that surface complexation
models (SCMs) provide a robust basis for describing
adsorption in geochemically dynamic environments (e.g.,
Turner et al. 1998; Curtis et al. 2004; Davis et al. 2004),
the approach is computationally intensive and requires
the estimation of additional parameters that describe
mineral surface characteristics (Zavarin and Bruton 2004;
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Jeppu and Clement 2012; Dwivedi et al. 2017). SCMs are
mechanistic models that define surface species, surface
chemical reactions, equilibrium constants, mass and
charge balances, and in some approaches, electrostatic
potential terms (Davis et al. 1998; Goldberg 2013). As
opposed to a constant K d approach, the application of
SCMs to field systems thus depends on the estimation
of a larger number of parameters. Many of these param-
eters (e.g., surface complex formation constants) are
determined through experimental studies, either of the
important mineral phases in a sediment or rock sample, or
using the whole sediments themselves (Davis et al. 2004).
One of the bigger challenges for surface complexation
modeling is to extend laboratory experimental results to
natural field systems with multimineralic assemblages.

Two methods have been proposed to model sur-
face complexation in natural environments: the compo-
nent additivity (CA) and the generalized composite (GC)
approaches (Davis et al. 1998; Westall et al. 1998; Davis
et al. 2004). In the CA approach, it is assumed that a min-
eral assemblage is composed of a mixture of one or more
reference mineral phases and that the relative amounts of
these reference minerals can be used to predict adsorp-
tion of the mixture (Dong et al. 2012). In contrast, the
GC approach considers the mixture assemblage to be too
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complex to evaluate sorption by individual reference min-
erals and describes adsorption by mass laws written with
“generic” surface functional groups. In their seminal work,
Davis et al. (1998) argued that the identity, structure,
composition, and electrical properties of mixed mineral
assemblages, and their surface coatings, typical in natural
soils and sediments, are much more difficult to quantify
in comparison to the pure mineral phases that are com-
monly used in experimental studies. Rather than develop
SCM with a large number of surface parameters that are
poorly defined, these authors argued that a more efficient
model for field systems would be a simpler model with
generic surface sites and no electrostatic correction terms
(Davis et al. 1998, 2004). The latter modeling approach
can still describe sorption as a function of pH much
more accurately than a constant K d approach, while being
more numerically efficient than a model with electrostatic
correction terms (Curtis et al. 2009). In addition, certain
reactive transport codes lack the capability to include elec-
trostatic models to describe surface complexation (Seitz
et al. 2013; Steefel et al. 2015; Dwivedi et al. 2016).

Although NEM-GC models have been successful in
describing contaminant adsorption in natural soils and
sediments, these models require a careful, systematic
buildup of model parameters using experiments that cover
a range of site-specific geochemical conditions (Kent
et al. 2000, 2007; Curtis et al. 2006 Um et al. 2008;
Hyun et al. 2009; Fox et al. 2012). Alternatively, once
reference mineral phases have been identified for a field
system, electrostatic CA models can be easily developed
using sorption databases that can be built using internally
consistent surface complexation equilibria developed
from new experiments (Dong et al. 2012) or that are
already published (e.g., Dzombak and Morel 1990, for
hydrous ferric oxide). However, contradictory reports
exist about the adequacy of electrostatic CA models to
predict contaminant sorption behavior in field settings.
For example, Biswas et al. (2014) showed that a CA
diffuse layer model for ferrihydrite was able to ade-
quately assess the role of competitive phosphate sorption
reactions in predicting arsenic enrichment in groundwater
of the Bengal Basin. Conversely, other studies have
reported obtaining unsatisfactory results in describing
adsorption-desorption using electrostatic CA approaches
(e.g., Sharif et al. 2011; Jessen et al. 2012). The reasons
cited for obtaining unsatisfactory predictions from these
models are primarily related to model assumptions (e.g.,
electrostatic corrections terms are based on pure mineral
phases rather than sediments), the need for better model
calibration (e.g., presence of spatial and temporal hetero-
geneities) and/or kinetic limitations (Kent et al. 2000; Zhu
and Burden 2001; Um et al. 2008; Jessen et al. 2012).

Both the lack of site-specific data and variations in
hydrogeochemical conditions pose great uncertainty in
predicting metal mobility from contaminated aquifers and
critically impact risk assessment efforts (Kent et al. 2000;
Glynn 2003; Liu et al. 2014). This is particularly true for
predicting uranium mobility in natural systems, which is
further complicated by the complexity of U(IV) aqueous

speciation under different hydrogeochemical conditions
(e.g., pH, pCO2) (Kohler et al. 1996; Barnett et al. 2002;
Curtis et al. 2006; Fox et al. 2012). It is therefore impor-
tant to incorporate SCMs into reactive transport models
that can take into account the coupled hydrodynamic and
reactive transport processes, competitive adsorption, as
well as investigate the temporal behavior of U mobility
at a particular site.

The purpose of this study is thus to develop and test a
NEM-GC model for U(VI) sorption on aquifer sediments
of the F-Area of the Savannah River Site (SRS) and
provide a comparative assessment of the NEM with a CA
model previously developed (Dong et al. 2012) that was
incorporated into a reactive transport model developed
specifically for the site (Bea et al. 2013). The SRS is
a former nuclear weapons production site near Aiken,
South Carolina, where low-level radioactive waste solu-
tions were discharged through unlined seepage basins for
30 years, resulting in a nearly 1 km long acidic uranium
plume under oxic conditions (Looney et al. 1988; Wain-
wright et al. 2015). The increased mobility of U(VI) at
the site due to the acidic nature of the infiltrating solution
(pH ∼ 3) provides a compelling motivation for testing
different SCMs in predictive simulations which can then
be used to mitigate/manage risk at this groundwater
remediation and monitoring site (described in more detail
in the following sections). The specific objectives of this
study are to: (1) investigate the validity and range of con-
ditions under which the NEM-GC model can adequately
describe pH and U(VI) behavior at multiple locations
within the SRS F-Area and (2) compare the predictive
performance of this model to a previously developed
electrostatic CA model (Dong et al. 2012) in describing
U(VI) plume evolution at two hydrogeochemically
distinct stages of the site operation—the basin infiltration
and post-closure times. The infiltration period accounts
for the 30-year time frame (1955 to 1988) during which
basin discharge of low-pH solutions occurred at the SRS
F-Area, and the post-closure time (1989 onward) deals
with the mixing of circum-neutral pH, uncontaminated
groundwater with the acidic waste solutions.

Background and Model Development

Site Description
Comprehensive descriptions of the SRS have been

presented elsewhere (Looney et al. 1972; Killian et al.
1987; Flach et al. 2004; Freshley et al. 2012). In brief,
the F-Area Seepage Basins located in the center of the
SRS were used to collect radionuclides (e.g., 235&238U,
238&239Pu, 3H, 129I) and other contaminants (e.g., HNO3,
Pb) discharged from the facility for 30 years (Kaplan et al.
1995; Serkiz et al. 2007). While the basins were techni-
cally designed to withstand pH between 3 and 10, the dis-
charge of large amounts of NaOH and HNO3 caused addi-
tional pH fluctuations that ranged from 0.6 to 13.2 (Fen-
imore and Horton 1972; Serkiz et al. 2007). The acidic
nature of the waste solutions resulted in the migration of
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Figure 1. (a) Savannah River Site map with the location
of the modeled Basin F-3 and well locations (blue circles).
FSB95D and FSB110D are monitoring wells located imme-
diately downgradient and 251 m away from the basin, respec-
tively. A 1D saturated flow and biogeochemical reactive
transport model of the site was developed along the AA’
transect using TOUGHREACT; (b) geological description of
the model domain.

U and other radionuclides as well as the persistence of a
U plume that extends 600 m downgradient of the basins
to a nearby creek named the Fourmile Branch (Figure 1).

While the seepage basins received a combined waste
of approximately 7.1 billion liters, Basin F-3 (89 × 219 m)
received the largest quantities of waste solutions in the F-
Area (Tokunaga et al. 2012; Wan et al. 2012). The F-Area
basins overlie sandy, mostly permeable sediments with
groundwater velocities in the range of 104–143 m/year
(Chase 1999). The water table is approximately 20 m deep
and groundwater flows in a south–southeast direction
towards the Fourmile Branch. The subsurface at the
site consists of a multiaquifer system with the bulk
of contamination occurring in the water table aquifer,
named Upper Aquifer, underlain by a locally confining
clay layer (Looney et al. 1972; Killian et al. 1987;
Strom and Kaback 1992). This study focuses on the
oxic, contaminated Upper Aquifer only, which extends
approximately 10 m below the land surface (Figure 1b).
The Upper Aquifer is comprised of Atlantic Coastal

Plain unconsolidated and semi-consolidated sands with
clay (Jean et al. 2004; Sassen et al. 2012). The aquifer
mineralogy is dominated by quartz, kaolinite, and goethite
with negligible amounts of carbonates and other clays
(Serkiz et al. 2007; Dong et al. 2012).

Despite the removal of the contaminated soils and
the capping of the basins in 1991, some U transport in
the oxic groundwater below the site is still occurring.
While monitored natural attenuation (MNA) is a desired
closure strategy at the SRS, other remediation efforts
have included installation of a pump-treat-reinject (PTR)
system (1997 to 2004), which was subsequently replaced
by a hybrid funnel and gate neutralization system that has
been in operation since 2004. The mixing of the plume
constituents with uncontaminated groundwater through
large-scale PTR and injections of alkaline solutions have
increased uranium retardation by increasing the pH of
the contaminated groundwater (Flach et al. 2004; Denham
and Vangelas 2008; Bea et al. 2013). Many monitoring
wells exist throughout the site as part of the closure and
MNA strategies (WSRC-RP-2006-4074 2011; Wainwright
et al. 2014). These historical datasets with more than
10 years of record were used to develop and constrain
the NEM-GC model applied in the present study.

Non-Electrostatic SCM Development
A NEM-GC model for describing U plume at the

SRS F-Area was built in a step-wise manner. First, a
laboratory-based SCM was developed by fitting sorption
data obtained from batch experiments using sediments
from the F-area. Then, this laboratory-based SCM was
calibrated to field data. Moreover, the laboratory-based
SCM was constructed with increasing levels of com-
plexity and additional processes by describing (1) H+
sorption and desorption only, (2) U(VI) sorption without
surface site competition with H+, and (3) competitive
H+ and U(VI) sorption. One goal with these incremental
levels of model development was to test specific sorption
behavior for comparisons with a previously developed
electrostatic model.

Modeling Equilibrium H+ Sorption and Desorption
Acid-base batch titration analysis was done for

the acidic pH range. Nine discrete F-Area sediment
samples from different sampling locations were titrated
(4 g in 40 mL of solution) and the results were averaged
and normalized by the sediment surface area to yield
surface charge data in units of μmoles/m2 vs. pH. The
experimental surface charge data were calculated from
the excess acid titrant required to decrease the pH (from
a reference pH, e.g., pH 7) beyond what is required to
decrease the aqueous phase alone to that pH value (Davis
and Kent 1990).

A H+ sorption/desorption NEM was calibrated to the
experimental titration data using the optimization program
FITEQL (version 4.0, Herbelin and Westall 1999). A
parsimonious approach was used that minimized the
number of fitting parameters (Davis and Kent 1990; Davis
et al. 2004). In this approach, the experimental surface
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charge was predicted by adding generic surface site types
and reactions one at a time until agreement between the
model predictions and the experimental data could not
be improved by the addition of more model parameters
(Table S1, Supporting Information). Additional details of
the H+ sorption/desorption model calibration are given in
Section S1 (Supporting Information).

Modeling Batch Equilibrium U(VI) Sorption Data
Like the H+ sorption/desorption model, the non-

electrostatic U(VI) sorption model was based on fitting
experimental batch sorption data using the optimization
program FITEQL. The batch U(VI) sorption data were
collected on six samples of F-Area contaminated sed-
iments (Dong et al. 2012), with a solid-liquid ratio of
20 g/L in the experiments. Although the mass of each
sediment sample was the same in each experiment, the
surface area of the samples varied from 1.3 to 7.3 m2/g.
Only the U(VI) sorption data in 3 to 6 pH range were
used to calibrate the U(VI) model, because this is the his-
torically relevant pH range for the F-Area U(VI) plume
at SRS.

The objective in the model calibration was to describe
the U(VI) sorption data with a minimum number of fitting
parameters. A single-site model was tested first with a site
density of 3.84 × 10−6 moles sites/m2 of sediment surface
area, a generally recognized value for soils and sediments
(Davis and Kent 1990). Various U(VI) surface reactions
involving the release of one or multiple protons per
U(VI) adsorbed with or without the uptake of carbonate
complexing anions were tested (e.g., the list of reactions
is given in Table S2).

The model calibration was completed in two ways:
(1) assuming that U(VI) adsorbed on separate surface
sites from those involved in the H+ sorption process and
(2) assuming that U(VI) ions and H+ sorbed and competed
for sorption on the same mineral surface sites.

Calibrating NEM Parameters to Field Data
We used the inversion framework of iTOUGH2

to further optimize the parameters of the NEM for
H+ and U(VI) sorption to fit observed pH and/or U
concentrations at two monitoring wells—FSB95D and
FSB110D (Figure 1a) (Finsterle and Zhang 2011; Finsterle
et al. 2014). Several reactive transport simulations (see
Section Reactive Transport Model) incorporating the
NEM were run using the PEST protocol implemented
in iTOUGH2 to optimize the “effective” surface area
parameter for the field sediments (Table 1). For the
competitive NEM simulation, the surface area was not
optimized to the field simulation, because the average
sediment surface area value had already been used to
calibrate the H+ sorption model (Table 1). The traditional
grid search method, which incorporates an exhaustive
search of the entire parameter space in finite steps, was
applied to minimize the objective function in iTOUGH2
(Press et al. 1992; Finsterle 2000). Two commonly used
goodness-of-fit criteria were used for evaluating the best
fit of parameters in the inverse analysis: the Nash Sutcliffe

Table 1
iTOUGH2 Simulations Considered in this Study

Simulation
Description

Calibration
Parameter Parameter Range

NEM for H+
sorption/desorption
only1

— —

NEM for
noncompetitive
U(VI)
sorption/desorption

Surface area
of > ZOH

2.36 × 10−4 to
2.36 × 104 m2/g

NEM for competitive
H+ and U(VI)
sorption/desorption

log
K > XOUO2

+
−0.5 to −2.2

1No calibration was required because transport of the pH front in the field was
satisfactorily described by reactive transport simulations using the laboratory-
based NEM.

efficiency (NSE) and coefficient of determination (R2)
(Nash and Sutcliffe 1970; Legates and McCabe 1999;
Dwivedi et al. 2013).

Transport Simulations with an Electrostatic SCM
Results of reactive transport simulations using the

NEM-GC model were compared with simulations using
the electrostatic model previously developed by Dong
et al. (2012) and implemented by Bea et al. (2013) to
simulate reactive U transport at the SRS. The model
of Dong et al. (2012) considers three surface sites to
represent the adsorption and exchange of U(VI) (and other
ions, Table 2) onto kaolinite (>kOH, >k−) and goethite
(>FeOH); it is a diffuse layer model for kaolinite-goethite
assemblages, using a CA approach (Davis and Kent 1990)
that combines the U(VI) SCM of Sherman et al. (2008) for
goethite with that of Heidmann et al. (2005) for kaolinite.
In their simulations, Bea et al. (2013) augmented the
model of Dong et al. with (negligible) sorption onto
quartz (>qz) using the data shown in Table 2. As in Bea
et al. (2013), the system modeled here also considers 21
aqueous U(VI) complexation reactions that are assumed
to operate at chemical equilibrium (Table 2). Equilibrium
constants for all reactions and other parameters for the
SCM are provided in Table 2.

Reactive Transport Model
Simulations were run using the reactive transport

code TOUGHREACT (Xu et al. 2011; Sonnenthal et al.
2014). The model setup follows the general modeling
framework of Bea et al. (2013) and incorporates the
SCMs described above. Our model differs from the 2D
simulations of Bea et al. (2013) only in that we simulate a
1D flow path representative of the saturated portion of the
contaminated Upper Aquifer, as described in the following
sections.

The modeling domain consists of a horizontal, 1000 m
long, 1D rectangular space that follows a groundwater
streamline (AA′ transect) through the F-Area. The domain
is discretized using 1002 grid blocks with a grid spacing
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Table 2
Uranium Thermodynamic Data and Surface Species of the Electrostatic SCM (Modified from Bea et al.

2013)

Reaction log K (25 ◦C)

Aqueous species1

(UO2)2 (OH)+2
2 ↔ 2UO+2

2 + 2H2O-2H+ 5.62
(UO2)2 CO3 (OH)−3 ↔ 2UO+2

2 + 3H2O + HCO−
3 -4H+ 11.18

(UO2)2 OH+3 ↔ 2UO+2
2 + H2O - H+ 2.7

(UO2)3 (CO3)
−6
6 ↔ 3UO+2

2 + 6HCO−
3 - 6H+ 7.97

(UO2)3 (OH)+2
4 ↔ 3UO+2

2 + 4H2O - 4H+ 11.9
UO2 (OH)−2

4 ↔ UO+2
2 + 4H2O - 4H+ 32.4

(UO2)3 (OH)+5 ↔ 3UO+2
2 + 5H2O - 5H+ 15.55

(UO2)3 (OH)−7 ↔ 3UO+2
2 + 7H2O - 7H+ 32.2

(UO2)3 O (OH)2 (HCO3)
+ ↔ 3UO+2

2 + 3H2O + HCO−
3 - 4H+ 9.68

(UO2)4 (OH) +
7 →4UO+2

2 + 7H2O - 7H+ 21.9
UO2NO+

3 ↔ UO+2
2 + NO−

3 −0.3
UO2 (OH)+ ↔ UO+2

2 + H2O 5.25
UO2 (OH)2 (aq) ↔ UO+2

2 + 2H2O - 2H+ 12.15
UO2 (OH)−3 ↔ UO+2

2 + 3H2O - 3H+ 20.25
UO2CO3 (aq) ↔ UO+2

2 + HCO−
3 - H+ 0.39

UO2 (CO3)
−2
2 ↔ UO+2

2 + 2HCO−
3 - 2H+ 4.05

UO2 (CO3)
−4
3 → UO+2

2 + 3HCO−
3 - 3H+ 9.14

CaUO2 (CO3)
−2
3 → Ca+2 + UO+2

2 + 3HCO−
3 - 3H+ 3.8

Ca2UO2 (CO3)3 (aq) ↔ 2Ca+2 + UO+2
2 + 3HCO−

3 - 3H+ 0.29
MgUO2 (CO3)

−2
3 ↔ Mg+2 + UO+2

2 + 3HCO−
3 - 3H+ 5.19

UO2SiO (OH)+3 ↔ SiO2 (aq) + UO+2
2 + 2H2O - H+ 2.48

Surface and exchange species2

(> k-OH)2 UO+
2 ↔ 2 > k-OH-0.5 + UO+2

2 −5.3
(> k-OH)2 UO2CO−

3 ↔ 2 > k-OH-0.5 + UO+2
2 + HCO−

3 - H+ −6.2
> k-OH+0.5

2 ↔> k-OH-0.5 + H+ −4.9
> k - OHNa+ 0.5 → > k - OH- 0.5 + Na+ 2.1
> k-OH2NO-0.5

3 ↔> k-OH-0.5 + H+ + NO−
3 −4.9

> k2UO2 ↔ 2 > k- + UO+2
2 −7.1

> kNa ↔ > k- + Na+ −2.9
> kH ↔ > k- + H+ −4.5
> k2Ca → 2 > k- + Ca+ 2 −6.8
> k3Al → 3 > k- + Al+ 3 −8
(> Fe-OH)2 UO+

2 ↔ 2 > Fe-OH-0.5 + UO+2
2 −14.11

(> Fe-OH)2 UO2CO−
3 ↔ 2 > Fe-OH-0.5 + UO+2

2 + HCO−
3 - H+ −4.35

> Fe-OH+0.5
2 ↔ > Fe-OH-0.5 + H+ −9.18

(> Fe-OH)2 CO−
2 ↔ 2 > Fe-OH-0.5 + H+ + HCO−

3 - 2H2O −12.23
> Fe-OCO2Na-0.5 ↔> Fe-OH-0.5 + Na+ + HCO−

3 - H2O −3.28
> qz -OH+

2 ↔> qz -OH + H+ 1.13

> qz - O- ↔ > qz - OH - H+ 8.13

> qz - ONa ↔ > qz - OH - H+ + Na+ 6.84

1Thermodynamic data are from (Dong et al. 2012) including original values from Guillaumont et al. (2003).
2Thermodynamic data are from (Dong et al. 2012), unless indicated otherwise. Kaolinite edge site (>kOH) density = 2.3/nm2 and exchange site (>k−)
density = 0.28/nm2 (Heidmann et al. 2005; Dong et al. 2012). Goethite edge site (>FeOH) density = 3.0/nm2 (Sherman et al. 2008; Dong et al. 2012) and quartz site
(>qz) density = 10.0/nm2 (Landry et al. 2009).
3Sverjensky and Sahai (1996).
4Landry et al. (2009).

of 1 m for 1000 cells and prescribed water levels at each
end (represented by two infinite-volume boundary grid
blocks). The simulations were run for 100 years (1955
to 2054) covering the basin infiltration and post-closure
periods. As with the model of Bea et al. (2013), the funnel
and gate groundwater neutralization system downgradient
of the site was not modeled, to focus only on the natural
processes impacting U(VI) and H+ complexation at the

site. An automatic time-stepping scheme was applied with
a minimum value of 3.0 × 10−8 year and a maximum of
0.08 year. Relevant flow and transport parameters input
into the simulations are listed in Table 3.

The key geochemical processes included in this study
are aqueous speciation, mineral precipitation/dissolution
reactions, surface complexation, and ion exchange
equilibria (Table 2). The modeled reaction network
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Table 3
Parameter Values Used in All Model Simulations

Parameter Value

Temperature 25 ◦C
Porosity 0.39
Aqueous-phase saturation 1
Permeability 1 × 10−12 m2

Constant flow velocity 129.87 m/year
Effective diffusion coefficient 8.3 × 10−7 m2/s1

Initial porewater chemistry Table 4
Left and top boundary concentrations Table 4
Initial solid-phase composition Table 5
Left and top boundary solid-phase composition Table 5

1The effect of dispersion was approximated using an effective diffusion
coefficient, Deff = αv + Dτ , where α is the dispersivity (here assumed 0.1 m),
v is the groundwater pore velocity (129.87 m/year), D is the molecular
diffusion coefficient (1.8E − 9 m2/s) and τ is tortuosity (0.5).

includes 15 primary species (H2O, H+, HCO3
−, Al+3,

Ca+2, Cl−, Fe+3, K+, Mg+2, NO−
3 , Na+, SO−2

4 , Sr+2,
SiO2(aq), and UO2

+2) as well as surface species for the
specific adsorption models described above.

The mineralogy of the F-Area sediments was assigned
on the basis of previous studies at the site (Spycher et al.
2011; Dong et al. 2012; Sassen et al. 2012). Based on
these studies, quartz, kaolinite, and goethite constitute the
main minerals at the site. Following the conceptual model
of H+ and U(VI) transport at the F-Area described in Bea
et al. (2013) and other site investigations (e.g., Spycher
et al. 2011; Dong et al. 2012), several secondary minerals
were included in the reaction network as well (Table S3).
Apart from schoepite, all of these minerals are considered
to react under kinetic constraints, using the same kinetic
rate laws and rate constants as in Bea et al. (2013). The
effect of mineral dissolution and precipitation reactions at
different stages of the site operation are described in Bea
et al. (2013).

Initial and Boundary Conditions
Fixed concentrations of dissolved species were

applied at the left (upgradient) model boundary (Table 4).
The fixed water composition at the left boundary was
taken as that measured in water samples upgradient from
the F-Area, and it is considered representative of the
uncontaminated higher pH groundwater. For simplicity,
this background water composition was also assumed for
initial conditions throughout the model domain. The sedi-
ments throughout the entire domain were set with an initial
mineral composition of quartz, kaolinite and goethite, and
initial mineral volume fractions derived from Al:Fe ratio
(as a proxy for kaolinite:goethite molar ratio) measured
through X-ray Fluorescence (XRF) of sediment samples
collected at the F-Area (Table 5) (Sassen et al. 2012; Bea
et al. 2013).

Reactive transport simulations were started from ini-
tially steady-state flow conditions with a constant hori-
zontal groundwater velocity (130 m/year) representative of
field conditions. During the waste discharge period (1955

Table 4
Pore Water Compositions (Molal) for Initial and

Boundary Conditions

Species

Initial and
Left (Uncontaminated

Groundwater) Boundary

Seepage Boundary
Conditions for

F-3 Basin1

pH 5.4 2.05
Cl 6.21 × 10−5 2.82 × 10−4

HCO3 5.90 × 10−5 1.07 × 10−5 2

Al 3.76 × 10−8 3 1.00 × 10−8

Ca 5.49 × 10−5 5.86 × 10−5

Mg 5.35 × 10−5 3.82 × 10−5

U (VI) 5.00 × 10−10 4 3.10 × 10−5

Fe (III) 1.52 × 10−11 5 1.75 × 10−6

K 3.32 × 10−5 3.09 × 10−5

Na 2.78 × 10−4 5.10 × 10−3 6

Sr 1.49 × 10−7 1.49 × 10−7

SO4 2.25 × 10−5 3.84 × 10−4

SiO2 (aq) 1.14 × 10−4 1.14 × 10−4

NO3 1.00 × 10−5 7 1.00 × 10−2

1Based on Killian et al. (1987).
2Fixed by PCO2 (g) of 10−3.5 bar.
3Fixed by equilibrium with kaolinite.
4Calculated for adsorbed U of about 0.6 mg/kg from measurements.
5Fixed by equilibrium with goethite.
6Adjusted for charge balance.
7Small assumed value (below detection).

to 1988), a seepage rate of approximately 3500 kgw/m2

year was applied at the top of the F-3 Basin to represent
the basin discharge, based on historical data (Flach 2001).
During this time period, an acidic seepage solution was
applied as a source term at the location of the F-3 Basin
(Table 4).

Results and Model Application
Results are presented for the development of the

NEM in the sequential order described above—first,
fitting laboratory batch H+ and U(VI) sorption data on F-
Area sediments and then, calibrating one model parameter
(Table 1) of the NEM using the inversion framework of
iTOUGH2. To compare the non-electrostatic SCMs and
the impact of model parameters on U(VI) sorption and
mobility at the F-Area, three sets of transport simulations
were run: (1) using the H+ sorption model only; (2) using
the H+ and U(VI) sorption model in which each solute
sorbs on different mineral surface sites (without sorption
competition); and (3) using the H+ and U(VI) sorption
model in which these solutes compete for surface sites
(Table 6). For comparison, results from the electrostatic
SCM are presented as a “base-case” simulation (Table 6).

Base-Case Transport Simulations (S1)
The 1D reactive transport model of Basin F-3

incorporating the electrostatic model of Dong et al.
(2012) will be henceforth referred to as the base-
case simulation or S1. As expected from previous site
investigations (e.g., Spycher et al. 2011; Dong et al.
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Table 5
Initial Mineral Volume Fractions Considered in the Simulations (Modified from Bea et al. 2013)

Mineral
Molecular

Weight (g/mol)
Molar Volume

(cm3/mol)
Initial Volume Fraction

(m3
mineral/m3

solids)
1

Specific Surface
Area (m2

mineral/gmineral)

Kaolinite 258.160 99.520 0.054 20.712

Goethite 88.852 20.820 0.01 16.222

Quartz 60.084 22.688 0.936 0.14
Gibbsite 78.004 31.956 0 120
Jurbanite 230.12 128.559 0 1
Basaluminite 464.14 218.934 0 1
Opal 60.084 29.000 0 200
Schoepite3 322.058 66.080 0 —

1Based on FAW-1 (location shown in Figure 1a).
2Dong et al. (2012).
3Mineral reacting at equilibrium.

Table 6
Reactive Transport Simulations Considered in

This Study

Simulation Description

Surface Sites and
Reactions

Considered

S1 Base-case simulation
using electrostatic
SCM

Table 2

S2 Transport simulation
using NEM for H+
sorption only

Table 7

S3 Transport simulation
using NEM for
noncompetitive
U(VI) sorption

Tables 7 and 8

S4 Transport simulation
using NEM for
competitive H+ and
U(VI) sorption

Tables 7 and 9

2012; Bea et al. 2013), the results from the base-case
simulation (Figures 2 and 3) show that early pH and
U(VI) fronts are retarded by sorption and exchange
processes onto kaolinite and goethite, and eventually reach
a steady state as sorption/exchange sites equilibrate with
the influent groundwater at lower pH and higher U(VI)
concentration. After the basin closure, the acidic discharge
stops and the plume constituents mix with uncontaminated
groundwater. Even after the arrival of this higher pH
groundwater, the pH initially remains buffered to low
values due to precipitation of aluminum sulfate minerals
(Spycher et al. 2011). As a consequence, dissolved U(VI)
concentrations remain high and exchanged U(VI) onto
kaolinite (>k2UO2) dominates over other U(VI) surface
species (Figure S1).

The long-term calculations of Bea et al. (2013)
for dissolved U(VI) at well FSB110D made use of an
ion exchange capacity value (0.28 exchange sites/nm2

of kaolinite surface area) that was carried over from

Figure 2. Comparing the base-case electrostatic model with
a non-electrostatic model for H+ sorption/desorption using
1D reactive transport simulations: breakthrough curves of
pH at monitoring wells (a) FSB95D and (b) FSB110D (their
locations are shown in Figure 1a).

the model of Dong et al. (2012), who cited Heidmann
et al. (2005) as the source for the value. However, it
is generally considered that the ion exchange capacity
of kaolinite samples are due almost completely to the
presence of trace amounts of smectite (Ma and Eggleton
1999) and/or due to defects in the crystalline structure of
kaolinite (Carroll 1959), and not the exchange capacity
of the kaolinite mineral itself. Thus, the ion exchange
capacities of various kaolinite samples may differ sub-
stantially depending on their purity. The Heidmann et al.
(2005) value was based on experimental measurements
on the reference kaolinite mineral, KGa-2. However,
Dong et al. (2012) used the same value for their
kaolinite, obtained as a commercial product from Alfa
Aesar (Ward Hill, Massachusetts). Nevertheless, their
full sorption/exchange model did fit sorption isotherms
determined experimentally using bulk sediments from
the F-Area. This is worth noting because Dong et al.’s
model (their Figure 4), and subsequently the simulations
of Bea et al. (their Figure 5c), predict that ion-exchanged
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Figure 3. Comparing U(VI) breakthrough curves for the
base-case electrostatic model and the noncompetitive NEM:
dissolved U(VI) concentrations at (a) Basin F-3, (b) well
FSB95D, and (c) well FSB110D.

U(VI) is the main surface species at low-pH conditions,
which is also the case for our base-case simulations
(Figure S1).

Transport Simulations with Non-Electrostatic SCMs

Modeling H+ Sorption and Transport
Generally speaking, in a SCM with electrostatic

correction terms, the sorption of H+ as the pH decreases
causes a positive surface charge, and then the sorption of
additional protons becomes less energetically favorable.
However, in calibrating a NEM to batch experimental
data, this nonlinear H+ sorption behavior can only be
described by addition of multiple site types with differing
acidity constants. Our final model developed using
FITEQL consisted of three mineral surface sites (>XOH,
>YOH, and > TOH) with different site densities (per
unit surface area) and different acidity constants. The
prediction of surface charge as a function of pH with
this model is shown in Figure 4 in comparison to the
experimental data (solid curve). The values of the model
parameters (reaction constants and surface site densities)
are given in Table 7, and are only considered to be valid
for the F-Area sediments and only for the experimental
pH range of the calibration. Additional details of the
H+ sorption/desorption model calibration are given in
Section S1 (Supporting Information).

To determine if the laboratory-calibrated NEM would
describe the pH front of the plume, we used our 1D
reactive transport model combined with the acidity model
given in Table 7. Figure 2 shows observed and predicted
breakthrough curves of pH at two monitoring well
locations at the field site. Figure 2 indicates that NEM
predictions (S2) are similar to the base-case simulation at
the time periods when data are available and fall within
the range of observed pH values. However, in the early
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Figure 4. Comparison of “average” experimental data for
titration of F-Area sediments in laboratory batch experi-
ments and a non-electrostatic model simulating the uptake
of protons by the sediment.

Table 7
NEM Model Parameters for H+ Sorption and

Desorption

Site Site Density (moles/m2)

>TOH 7.0 × 10−7

>XOH 1.6 × 10−6

>YOH 9.0 × 10−7

Reaction log K
> TOH+

2 ↔> TOH + H+ −4.77
> TO- ↔ > TOH - H+ 4.73
> XOH+

2 →> XOH + H+ −4.50
> YOH+

2 ↔> YOH + H+ −3.41

phase of the basin infiltration period, the NEM predicts
more retardation of the acidic front, resulting in more
gradual desorption of H+ in the post-closure period. Note
that these differences between model predictions are more
noticeable at increased distances from the source because
of the greater retardation. The stronger H+ sorption of the
NEM is thus more noticeable as acidic solutions percolate
through a progressively larger cumulative volume of
sediments away from the source of H+ (i.e., greater at
well FSB110D which is 251 m further downgradient of
Basin F-3 than FSB95D). These differences in the pH
predictions will impact the predicted U(VI) transport,
which is described in more detail in the following sections.

Modeling U(VI) Sorption and Transport without Surface Site
Competition with H+

U(VI) sorption data in 3 to 6 pH range were used to
calibrate the U(VI) NEM, because this is the historically
relevant pH range for the F-Area U(VI) plume at SRS.
Sorption of U(VI) by the six sediment samples was
quite variable (Figure 5), with some samples showing
greater U(VI) sorption than others as a function of pH.
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Figure 5. Sorption of U(VI) by six different contaminated
sediment samples as a function of pH and surface area
(modified from Dong et al. 2012). Solid lines connect
experimental data points. Data represented with the cross ( )
are for the sediment sample with the highest surface area of
7.3 m2/g. The red dotted line represents the model prediction
of U(VI) sorption on a representative sediment sample with
the average specific surface area of 2.36 m2/g.

For example, the sample with the highest surface area
(7.3 m2/g) had the greatest amount of U(VI) sorption.

As with the H+ sorption/desorption model, the
objective was to calibrate a U(VI) sorption model with a
minimum number of fitting parameters. Initially, a U(VI)
sorption model was calibrated in which U(VI) species only
sorbed to > ZOH sites, and thus, H+ did not complete
for the same surface sites. This model will be referred
to as the noncompetitive NEM. A single-site model was
tested with a site density of 3.84 × 10−6 moles sites/m2

of sediment surface area, a generally recognized value for
soils and sediments (Davis and Kent 1990). Various U(VI)
surface reactions involving the release of one or multiple
protons per U(VI) adsorbed with or without the uptake of
carbonate complexing anions were tested (e.g., the list of
reactions is given in Table S2).

The most acceptable fit with a single reaction was a
simple, one-proton release reaction:

> ZOH + UO+2
2 => ZOUO+

2 + H+

The log K for the best fit of this reaction to the
experimental data was log K = 0.44 (Table 8). Because
of the scatter in the data among the various discrete
samples (Figure 5), there was no improvement to
the goodness-of-fit of the model by adding additional
reactions or additional surface site types. The average
value of specific surface area measurement for all F-Area
sediment samples was 2.36 m2/g. The model prediction
of U(VI) sorption as a function of pH for a sediment
sample with that average specific surface area is shown
as the dotted line in Figure 5.

Figure 3 shows observed and predicted breakthrough
curves of aqueous U(VI) concentration at three grid cells
representing the source (Basin F-3) and two monitoring

Table 8
NEM Model Parameters for Noncompetitive

U(VI) Sorption

Site
Site Density
(moles/m2)

>ZOH 3.84 × 10−6

Reaction log K
> ZOUO+

2 ↔> ZOH + UO+2
2 - H+ −0.444

Fitted in conjunction with reactions and parameters in Table 7.

well locations at the site. Figure 3a and 3b indicate that
the noncompetitive NEM (S3), using the same average
surface area for the sediments (2.36 m2/g), predicts lower
aqueous U(VI) concentrations during the basin infiltration
period and slightly higher aqueous U(VI) concentrations
in the post-closure period (beyond 42 years), as compared
to the base-case simulation. Note that predictions from
the noncompetitive NEM do not match observed U(VI)
concentrations, especially at well FSB110D (Figure 3c)
where the NEM predicts very strong sorption and
retardation of U(VI) by the aquifer sediments.

To better capture the field observations of U(VI) con-
centrations using the noncompetitive NEM, we calibrated
the field-scale “effective” surface area for U(VI) sorption
using iTOUGH2 (Figure 6). A sufficiently wide parameter
range was considered for this inverse analysis (Table 1).
The iTOUGH2 calibration resulted in a best estimate
of effective surface area of 0.059 m2/g (NSE = 0.82 and
R2 = 0.93), which gave a reasonable match with the
observed U(VI) data. Figure 6 shows a comparison of
the calibrated, noncompetitive NEM and the base-case
simulation in predicting U(VI) concentrations at wells
FSB95D and FSB110D. Note that there is significant mis-
match between the base-case simulation and the calibrated
NEM in predicting U(VI) concentrations at both locations
in the basin infiltration period. Because observations are
limited to only a few time points (∼10 years during the
post-closure period and none during the basin infiltration
period), it is hard to conclude which SCM performs bet-
ter. As discussed above, there is considerable uncertainty
in the value for the ion exchange capacity of these sedi-
ments, as it has not yet been determined experimentally.
Instead, Bea et al. (2013) assumed a value from Heid-
mann et al. (2005) for the reference kaolinite mineral,
KGA-2 for the base-case simulation. However, the best-
fit iTOUGH2 simulation is able to capture the low U(VI)
concentrations observed in the post-closure period, which
highlights that long-term trends or the tailing behavior of
the breakthrough curves are an important check on devel-
oping and comparing such NEMs at the field scale.

Modeling Competitive H+ and U(VI) Sorption
In the simulations presented above, H+ and U(VI)

did not compete for sorption on the same surface sites.
This was done only as a matter of modeling convenience,
and it is likely in fact that H+ and U(VI) do compete
for sorption at some surface sites (Davis et al. 2004).
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Figure 6. Comparing U(VI) breakthrough curves for the
base-case simulation with the noncompetitive NEM using the
best-fit value for effective surface area for the field sediments
(0.0592 m2/g): dissolved U(VI) concentrations at wells (a)
FSB95D and (b) FSB110D.

Table 9
U(VI) Surface Complexation Constant for the

Competitive NEM

Reaction log K

> XOUO+
2 ↔> XOH + UO+2

2 - H+ −2.118

Fitted in conjunction with reactions and parameters in Table 7.

To simulate competitive H+ and U(VI) sorption, the
separate > ZOH site was removed from the model and
U(VI) sorption to the >XOH site was introduced to the
NEM. The surface complexation constant for binding
U(VI) to >XOH was determined using the batch U(VI)
laboratory sorption experiments and the optimization
program, FITEQL (Table 9). This model is referred to
as the competitive NEM.

After the surface complexation constant was deter-
mined, it was introduced into the reactive transport model
to simulate U(VI) transport. Using the average laboratory-
derived surface area (2.36 m2/g), these new simulations
failed to capture observed U(VI) concentrations; U(VI)
sorption and retardation was overpredicted at the field
scale (results not shown here). Because this effective sur-
face area was used to calibrate the laboratory acid-base
titration data and yielded a satisfactory simulation of the
transport of the pH front in the field, it was not desir-
able to fit a new effective surface area for U(VI) trans-
port for the competitive NEM. Instead, iTOUGH2 was
used to calibrate a different surface complexation con-
stant for UO+2

2 sorption on the >XOH site (Table 1). A
sufficiently wide parameter range for the surface com-
plexation constant (−0.5 to −2.2) was considered for
this inverse analysis. The iTOUGH2 calibration resulted
in a best estimate of log K = −0.67 with R2 = 0.96
and NSE = 0.78, indicating a good match with observed
field data. Figure 7 shows a comparison of the observed
and predicted breakthrough curves of dissolved U(VI)

Figure 7. Comparing U(VI) breakthrough curves for the
base-case simulation with the competitive NEM using the
best-fit value for the U(VI) surface complexation constant
(logK = − 0.67) determined with iTOUGH2: dissolved U(VI)
concentrations at wells (a) FSB95D and (b) FSB110D.
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Figure 8. Comparing the total U(VI) sediment loading at
well FSB110D for three different model simulations: the
base-case electrostatic SCM, the best-fit noncompetitive
NEM, and the best-fit competitive NEM.

concentration using the electrostatic (base-case) and the
calibrated, competitive NEM (simulation S4) at wells
FSB95D and FSB110D. The competitive NEM is able
to capture reasonably well the observed U(VI) concentra-
tions at both wells, including the uranium breakthrough
tails. Note that the electrostatic and non-electrostatic mod-
els show a significant mismatch in their predictions in the
initial phase of the basin infiltration period.

Figure 8 shows a comparison of the total U loading
at the site using the base-case simulation and the
noncompetitive and competitive NEM models in the later
years (35 to 55). Figure 8 shows that the electrostatic
model and competitive NEM are somewhat similar in
predicting U(VI) transport, but that the noncompetitive
NEM predicts lower U(VI) concentrations in the long-
term. This is likely because of the direct competition
between H+ and UO2

+2 for sorption in the competitive
model, which increases U(VI) mobility.

Conclusions
This study demonstrates that non-electrostatic SCMs,

as well as electrostatic models, can be used in predicting
the migration and retardation of an acidic U(VI) plume

82 B. Arora et al. Groundwater 56, no. 1: 73–86 NGWA.org



at the SRS F-Area. Because of the scarce data, it is not
possible at this stage to conclude that the electrostatic or
non-electrostatic models were superior in performance,
but it is clear that there is uncertainty in the SCM
predictions because of the different model approaches. In
fact, the long-term transport of U(VI) in the Bea et al.
(2013) model was not controlled by U(VI) sorption, but
instead by U(VI) ion exchange. As noted above, the ion
exchange capacity value used in these simulations was
not determined experimentally.

The development of (simpler) NEMs may be
preferred in some cases because of simpler transport
simulations that utilize less computational resources. In
addition, the electrostatic modeling approach requires an
assumption that the surface properties of the dominant
minerals in the field (goethite and kaolinite in this case)
are the same as reference minerals used in laboratory
experiments. This is not usually the case because of
organic and inorganic mineral coatings in field systems
(Davis et al. 2004). However, it must be emphasized that
both types of SCMs present a significant improvement
over constant distribution coefficient (K d) models,
because the SCMs have the capability to describe con-
taminant retardation as a function of varying geochemical
conditions (e.g., Turner et al. 1998; Davis et al. 2004;
Curtis et al. 2006). At the SRS F-Area, Bea et al. (2013)
reported that K d values vary almost four orders of
magnitude due to pH variations alone.

The semi-empirical NEMs described above were
developed for the SRS F-Area in a step-wise manner by
first developing a H+ sorption/desorption model, then a
noncompetitive H+ and U(VI) sorption model, and finally,
a competitive H+ and U(VI) sorption model by integrating
H+ and U(VI) binding to a single surface site. However,
it was necessary to calibrate some NEM parameters to
field data after an initial estimation with laboratory data,
which was not the case with the electrostatic SCM.
The final NEM model contained only two optimized
parameters—the effective surface area and the surface
complexation constant for U(VI) sorption. In addition,
reasonable agreement was obtained between calibrated
NEMs and the electrostatic SCM especially in simulating
uranium breakthrough tails and long-term trends. The
model simulations differed significantly during the early
basin infiltration period, but model performance cannot
be assessed during this period due to a lack of field
observations (e.g., initial pH of the basin water) that
could effectively constrain the models. In their study, Bea
et al. (2013) also indicated that the source pH caused
significant uncertainty in model predictions. Overall, the
results suggest that NEM models may be useful to
support performance assessment models because of the
computational advantages, although the model calibration
did require field data.
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