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Abstract. During the past century, systematic wildfire suppression has decreased fire fre-
quency and increased fire severity in the western United States of America. While this has
resulted in large ecological changes aboveground such as altered tree species composition and
increased forest density, little is known about the long-term, belowground implications of
altered, ecologically novel, fire regimes, especially on soil biological processes. To better under-
stand the long-term implications of ecologically novel, high-severity fire, we used a 44-yr high-
severity fire chronosequence in the Sierra Nevada where forests were historically adapted to
frequent, low-severity fire, but were fire suppressed for at least 70 yr. High-severity fire in the
Sierra Nevada resulted in a long-term (44 +yr) decrease (>50%, P < 0.05) in soil extracellular
enzyme activities, basal microbial respiration (56–72%, P < 0.05), and organic carbon (>50%,
P < 0.05) in the upper 5 cm compared to sites that had not been burned for at least 115 yr.
However, nitrogen (N) processes were only affected in the most recent fire site (4 yr post-fire).
Net nitrification increased by over 600% in the most recent fire site (P < 0.001), but returned
to similar levels as the unburned control in the 13-yr site. Contrary to previous studies, we did
not find a consistent effect of plant cover type on soil biogeochemical processes in mid-succes-
sional (10–50 yr) forest soils. Rather, the 44-yr reduction in soil organic carbon (C) quantity
correlated positively with dampened C cycling processes. Our results show the drastic and
long-term implication of ecologically novel, high-severity fire on soil biogeochemistry and
underscore the need for long-term fire ecological experiments.

Key words: chronosequence; extracellular enzyme activity; fire suppression; microbial biomass;
microbial ecology; microbial respiration; nitrogen cycle; Sierra Nevada; soil organic carbon.

INTRODUCTION

Wildfire has historically regulated carbon (C) and
nitrogen (N) cycling in yellow pine and mixed-conifer
forests of the Sierra Nevada and other fire-adapted
ecosystems commonly found throughout the western
United States of America (Johnson et al. 2008). How-
ever, due to the interaction between increasing forest
fuels (due to long-term fire suppression and early forest
management practices) and the rapidly warming climate,
contemporary fires in these ecosystems are outside their
natural range of variation and are currently burning at

higher severities than their pre-1850 counterparts (Miller
et al. 2009b, Safford and Stevens 2017). This departure
from historical conditions has the potential to affect the
resistance and resilience of many soil processes to fire
(Fig. 1). The importance of fire effects on forest soil bio-
geochemistry has gained attention in recent years (e.g.,
Nave et al. 2011, Caon et al. 2014, Butler et al. 2018,
Pellegrini et al. 2018); however, much of this work has
focused on disturbances within the range of natural vari-
ation for that ecosystem. For example, many have stud-
ied stand-replacing fire in boreal or subalpine forests
(Smithwick et al. 2005, Turner et al. 2007, Holden et al.
2016) or low-severity, prescribed fire in seasonally dry,
temperate forests (Kaye and Hart 1998, Kaye et al.
2005, Grady and Hart 2006, Fultz et al. 2016). There
has been relatively less focus on how C and N cycling
processes respond to and recover from ecologically novel
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fire (i.e., fire severity outside the natural range of varia-
tion).
Before major Euro-American settlement began in the

mid-1800s, the fire regime of yellow pine and mixed-
conifer (YPMC) forests in California and the southwest-
ern United States was dominated by frequent fires (fire
return interval of one to two decades) of low to moder-
ate vegetation burn severity, and high mortality of
canopy trees was relatively rare (Fry et al. 2014, Safford
and Stevens 2017). Trend assessments carried out since
1984 (the beginning of the LANDSAT data set) show
that the severity of wildfires in YPMC and similar forest
types is increasing in California and the southwestern
United States. Both the total area burned at high severity
and the mean and maximum sizes of high-severity burn
patches within fires are increasing (Miller et al. 2009b,
Mallek et al. 2013, Dillon et al. 2016, Steel et al. 2018).
Clearly, the modern fire regime is well outside the natu-
ral range of variation for fire severity, and the ecosys-
tem-level effects of many modern fires can be reasonably
characterized as “novel” (Miller and Safford 2017, Saf-
ford and Stevens 2017).
Direct and indirect impacts of fire on soil biogeochem-

istry and the relative magnitude of these effects vary with
time since fire (Hart et al. 2005). On shorter time scales,
wildfire has been shown to decrease soil extracellular
enzyme activity (Boerner et al. 2008, Tas� et al. 2014,
Knelman et al. 2017) and microbial respiration (Grady
and Hart 2006) due to the combustion of microbial bio-
mass and soil organic C (SOC; Miesel et al. 2011, Knel-
man et al. 2015). Nitrogen availability within a few years
after fire is generally high (Covington and Sackett 1992,
DeLuca and Sala 2006), originating from fire-induced N
mineralization (St. John and Rundel 1976), increased
rates of organic matter decomposition (Kaye and Hart
1998), and increased N-fixing plant abundance (Johnson
et al. 2005). Increases in N availability can result in
lower N-limitation to soil microorganisms and increase

nitrification (Kurth et al. 2014, Hanan et al. 2016). In
the longer term, however, as plants recolonize post-fire,
they begin to exert a greater influence over soil microbial
communities through root exudation, plant litter inputs,
increased nutrient uptake, and formation of symbioses
with soil microorganisms. Thus, in the longer term, plant
communities have been suggested to be the primary dri-
vers of soil biogeochemical processes (Hart et al. 2005).
Ecologically novel, high-severity fire likely exacerbates

the response and lengthens the recovery of soil biogeo-
chemical processes compared to historical fires. Global
change (including changing fire regimes) alters the selec-
tive pressures that organisms have been evolutionarily
adapted to. Thus, the microbial communities, which con-
trol C and N cycling in soils, could be maladapted to
these ecologically novel disturbances and post-fire con-
ditions. This could reduce the resiliency of ecological
functions that these organisms provide, hampering the
recovery of the ecosystem. For example, under simulated
drought conditions, plants responded positively when
grown with drought-adapted microbial communities
(Lau and Lennon 2012), showing that the adaption (or
maladaptation) of microbial communities to global
change can have ecosystem-level implications. However,
the impact of ecologically novel fire on soil microbial
communities and their function has yet to be fully eluci-
dated.
We evaluated the long-term (40+ yr) impact of ecolog-

ically novel, high-severity fire on soil C and N cycling
using a wide array of biogeochemical assays and rate
measurements using space for time substitution. We
hypothesize that novel, high-severity fire will cause mul-
ti-decadal impacts on site and soil properties (e.g., vege-
tation, temperature and moisture dynamics, pH, SOC,
nutrient availability, and microbial biomass), which will
result in changes in the rates of biogeochemical pro-
cesses. Specifically, we expect decreased soil extracellular
enzyme activities and respiration and increased soil net

FIG. 1. Conceptual model of hypothesized recovery of ecosystem function after different disturbances. We hypothesize that,
whereas high-severity disturbances (gray line) may result in greater functional responses than low-severity disturbances (black line),
resilience is most impacted by novel disturbances (orange line; e.g., wildfire with severity greater than the historic range of varia-
tion). The orange line is dashed at the tail end of recovery to indicate that ecosystems may not recover to predisturbance conditions
after novel disturbances.
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N mineralization, net nitrification, and nitrifier activity
(assessed by nitrification potential and N2O fluxes) fol-
lowing high-severity fire in YPMC ecosystems. In the
short term (<10 yr), we hypothesize that impacts will be
due to the direct impacts of fire: combustion of SOC and
microbial biomass and mineralization of N. In the
longer term (>10 yr), we hypothesize that impacts will
be due to the indirect effect of fire on soils through vege-
tation (i.e., plant cover type would have a greater effect
with increased time since fire). Finally, we hypothesize
that these effects will be more pronounced when soils are
wetter and microbial activity is higher. Our overall goal
is to determine the long-term impact of novel, high-
severity fire on soil biogeochemical processes in order to
quantify the resilience and identify the drivers of these
processes at different stages of recovery. Developing a
mechanistic understanding of the effects of high-severity
fire and time since fire on soil biogeochemistry is critical
for predicting how ecosystems respond to (and subse-
quently recover from) fire disturbances with severities
outside their range of historic variability. Such informa-
tion will be useful in management of fire-suppressed
temperate forests and mitigation against the effects of
these exceptional disturbance events (Adams 2013, Ste-
phens et al. 2014).

METHODS

Site description and experimental design

The study was conducted on the Eldorado National
Forest, which is located in the Central Sierra Nevada of
California, an area historically fire suppressed like much
of western North America (Fig. 2, Safford and van de
Water 2014). We sampled in areas of varying time since
stand-replacing wildfire using a fire chronosequence in
South Fork of the American River watershed. The fire
sites are the King Fire (4 yr post-fire, 48% of fire area
burned at high vegetation burn severity), the Freds Fire
(13 yr post-fire, 58% high severity), the Cleveland Fire
(25 yr post-fire, 64% high severity), and the Pilliken
Fire (44 yr post-fire, >50% high severity; Bohlman et al.
2016). The spatial extent of high-severity burning in
these fires is far outside the natural range of variation,
which ranged from about 5% to 15% of the area of the
average fire before Euro-American settlement of the
region (Safford and Stevens 2017). We incorporated sites
throughout the study area that had not burned since at
least 1908 (Safford and van de Water 2014), which is the
maximum period for which we know that no recorded
burning occurred. We operationally defined this as our
late successional site (>115 yr post-fire).
A fire chronosequence relies on the assumption that

the variation in space (among sites) is equal to the varia-
tion in time since fire (Pickett 1989). This technique has
been increasingly employed as a method for understand-
ing the long-term trajectories of ecosystems post-fire
(Kurth et al. 2013, Fest et al. 2015, Bohlman et al. 2016,

Holden et al. 2016, Sun et al. 2016). Although chronose-
quences may not always be ideal for measuring temporal
effects due to inherent differences in site properties and
life histories, we minimized these limitations through
careful plot selection. Late successional (i.e., pre-fire)
vegetation at all sites is characterized as mixed conifer
forest. Dominant species include ponderosa pine (Pinus
ponderosa), Jeffrey pine (P. jeffreyi), Douglas-fir (Pseu-
dotsuga menziesii), white fir (Abies concolor), incense-
cedar (Calocedrus decurrens), black oak (Quercus kel-
logii), and canyon live oak (Q. chrysolepis). Prior to fire,
the 4-, 13-, 25-, and >115-yr sites had similar normalized
difference vegetation index values (repeated-measures
ANOVA, P = 0.178; data from Robinson et al. 2017),
which correlates with the photosynthetic capacity of veg-
etation (the 44-yr site burned before the data record of
1984). Soils are in the suborder Xerepts, with either an
umbric or ochric epipedon (USDA-NRCS 2015). Fur-
thermore, all plots have a southern aspect (90°270°), are
on moderate slopes (10%–20%, characteristic of the fire
affected areas), and are between 1,100–1,300 m eleva-
tion.
Because we were interested in the unassisted recovery

after high-severity fire, we sampled only in areas that
were not managed post-fire (e.g., salvage logging, herbi-
cide application, planting) and were classified as high-
severity burns (>75% basal area mortality of dominant
and codominant canopy trees). All areas were salvage
logged in the 44-yr site, but the plots selected at this site
were not manipulated further. While salvage logging
may affect nutrient budgets and hydrologic regimes criti-
cal in early stand development (Johnson et al. 2005, Jen-
nings et al. 2012), McGinnis et al. (2010) found no
difference in shrub or grass cover between salvage logged
and control sites in the Sierra Nevada. It is reasonable to
conclude that salvage logging only minimally affected
microbial communities and their processes at this site
because long-term impacts of fire on microbial commu-
nities are hypothesized to be mainly influenced by live
aboveground vegetation (Hart et al. 2005). Burn severity
was assessed using delta normalized burn ratio (dNBR;
Miller and Thode 2007) on Landsat imagery for the
three most recent fires; for the 44-yr site, dNBR was
determined using a 1974 false-color composite Landsat
Multispectral Scanner System (MSS) image because this
fire occurred before Landsat was launched (Bohlman
et al. 2016). Vegetation burn severity (as used in our
study) does not always correlate well with soil burn
severity (Safford et al. 2008, Miesel et al. 2018). How-
ever, comparisons among fires in different years are diffi-
cult due to changing methods in soil burn severity
mapping. The California vegetation burn severity classi-
fication we used is standardized and objectively deter-
mined based on published relationships between the
Landsat data and field conditions (e.g., Miller and
Thode 2007, Miller et al. 2009a, b). We were more com-
fortable using these more standardized products to map
fire severity in our four chronologically disparate fires
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than the much more idiosyncratic soil burn severity
maps (Safford et al. 2008).
Each site consisted of six to eight plots separated by at

least 150 m (the 13 yr and 44 yr sites had only six and
seven plots, respectively, due to sampling area con-
straints; all other sites had eight plots). Plot-centers were
chosen randomly a priori using a GIS layer of appropri-
ate site polygons (i.e., similar soils, elevation, aspect,
burn severity, and management). Each plot was defined
by a 5 m radius from plot center. Within each plot, we
sampled one point under each of the available lowest
stratum cover types. Cover types were tree (e.g., Abies
concolor, Pinus ponderosa, Quercus spp.), seedling (e.g.,
Pinus ponderosa), shrub (Arctostaphylos spp., Salix
spp.), nitrogen-fixing plant (Ceonothus spp., Chamaeba-
tia foliolosa), herbaceous (e.g., Carex spp., Poaceae), and
bare soil. When multiple representatives of the same
cover type occurred within a plot (which occurred fre-
quently), we sampled under the representative closest to
plot center.

Soil sampling and preparation

We sampled mineral soil at two periods during 2017
(8–15 June and 6–14 September), representing two
extremes of seasonal soil moisture and microbial activity
in the Sierra Nevada (Hart et al. 1992, Qi and Xu 2001).
The organic horizon was removed with a sterile, gloved
hand, and a 2 cm diameter soil corer sterilized with 10%
bleach followed by 70% ethanol was used to sample the
top 5 cm of mineral soil at each point. We did not sam-
ple the organic horizon, because many of the 4- and 13-
yr plots did not have one, and we decided to keep the

sampling among sites consistent. To collect enough soil
from each point (~100 g), we took and composited mul-
tiple (~10) cores within a 20-cm diameter area within a
given cover-type stratum. Soil samples were placed in a
sterile bag and immediately placed on blue ice (4°C).
Upon returning to the laboratory, soils were sieved field-
moist (<2 mm; sieve sterilized with 70% ethanol before
and between samples) and were subsampled to be frozen
(�20°C), refrigerated (4°C), or air dried until further
analysis.

Site physical, chemical, and vegetative properties

Hobo Onset temperature sensors (UA-002-08;
Bourne, Massachusetts, USA) were deployed at the cen-
ter of each plot buried to a depth of 5 cm into the min-
eral soil. They recorded temperature every 2 h from 3
December 2016, until 15 May 2018, to determine poten-
tial differences in the soil thermal environment among
cover-type strata and sites.
In addition to measuring gravimetric water content

at each sample time, we measured the water holding
capacity (WHC) of the soils during the June sampling
event to understand the longer-term soil moisture
dynamics in the field. Briefly, 10 g of field-moist soil
was saturated with 50 g of deionized water and drained
for 24 h using a funnel with Whatman 42 filter paper
(>2.5 lm retentiveness) into a 1-L screw-top jar. Soils
were loosely covered with the lid of the Mason jar to
minimize evaporation. Water drained by gravity was
weighed and WHC was calculated as the sum of the
undrained water and field-moist gravimetric water con-
tent of the soil.

FIG. 2. Map of the Central Sierra Nevada Fire Chronosequence. (a) Symbols denote approximate locations of plots and poly-
gons show fire perimeters (plots are at least 150 m apart and may not be visibly distinguishable at the spatial scale). (b) Fire return
interval departure (Safford and van de Water 2014) is plotted for the Sierra Nevada with a red rectangle denoting the extent of the
chronosequence area. Higher values represent greater fire suppression, and white lines show county boundaries for reference.

Article e02072; page 4 NICHOLAS C. DOVE ET AL.
Ecological Applications

Vol. 0, No. 0



Prior to C and N analysis, air-dried soils from the
June sampling event were ground to a fine powder using
mortar and pestle. Approximately 10 mg of oven-dry,
ground soil was weighed into tin capsules, and these
samples were analyzed for total C and N by continuous-
flow, direct combustion and mass spectrometry using
the ECS 4010 CHNSO analyzer (Costech Analytical
Technologies, Valencia, California, USA). Air-dried soils
from the June sampling event were analyzed for pH in a
1:2 w/v ratio of soil to both deionized water and
0.01 mol/L CaCl2 solutions with an Orion DUAL STAR
pH meter (Thermo Fisher Scientific, Waltham, Mas-
sachusetts, USA).
We measured available inorganic N and P using ion-

exchange resin bags. Bags were buried at 5-cm depth in
the mineral soil at each sampling point and deployed
during two time periods: 17–26 October 2016 until 8–15
June 2017 and 8–15 June 2017 until 6–14 September
2017, which were operationally defined as “wet” and
“dry” seasons, respectively. We extracted ion-exchange
resin with 2 mol/L KCl following Binkley and Matson
(1983), and extracts were analyzed for ammonium,
nitrate, and orthophosphate colormetrically using the
Lachat AE Flow Injection Auto analyzer (Lachat
Instruments, Milwaukee, Wisconsin, USA). Final con-
centrations were normalized by oven-dry resin mass and
length of field incubation.
We used the line–point intercept method to estimate

relative proportions of cover type within each plot (Par-
ker 1951). We set up a 10-m transect, which was bisected
by the plot center. A random bearing was selected to
determine the orientation of each transect. Starting at
1 m, we recorded the substratum cover type (i.e., tree,
seedling, shrub, nitrogen-fixing plant, herbaceous, bare)
along the transect at 1-m increments for nine total mea-
surements per plot, which we translated into percent
cover.

Microbial biomass

We measured microbial biomass C and N for the June
samples by chloroform fumigation-extraction (Vance
et al. 1987, Hart and Firestone 1991, Haubensak et al.
2002). Briefly, 20 g of previously frozen and thawed,
field-moist mineral soil was split into two equal samples.
The non-fumigated sample was immediately extracted
with 0.5 mol/L K2SO4, and the fumigated sample was
incubated for seven days in a chloroform-filled desicca-
tor. After fumigation, the fumigant was removed using
repeated evacuations and the samples were then
extracted with 0.5 M K2SO4. Fumigated and non-fumi-
gated extracts were analyzed on a total organic C and
total N analyzer (Shimadzu TOC-Vcsh with TNM-1
Total Nitrogen Measuring Unit, Kyoto, Japan). The dif-
ference in C and N concentration between these extracts
is the chloroform-labile C and N pools, respectively. We
used an extraction efficiency factor (keC) of 0.45 to con-
vert chloroform-labile C to microbial C (Beck et al.

1997) and an extraction efficiency factor (keN) of 0.54 to
convert chloroform-labile N to microbial N (Brookes
et al. 1985). The mass ratio of microbial C:N was calcu-
lated to evaluate changes in microbial biomass stoi-
chiometry. Performing chloroform fumigation-extrac-
tion on frozen soils may slightly affect the absolute
values, but the relatively differences among treatments
are generally unaffected (Hart and Firestone 1991, Sten-
berg et al. 1998).

Extracellular enzyme assays

We measured potential extracellular enzyme activity
of b-glucosidase (BG), N-acetylglucosaminidase (NAG),
and acid phosphatase (AP) fluorometrically following
Bell et al. (2013). Briefly, an 800-lL soil slurry consist-
ing of 2.75 g of field-moist soil in 91 mL of 50 mmol/L
sodium acetate buffer (pH = 5.5) was incubated with
200 lL of each of the 100 lmol/L 4-methylumbellifer-
one (MUB)-linked substrates. After a 3-h incubation at
20°C, plates were centrifuged and supernatant was trans-
ferred to a black, flat-well plates. Fluorescence was mea-
sured on a Tecan M200 Pro (Tecan Group, M€annedorf,
Switzerland) using an excitation wavelength of 365 nm
and an emission wavelength of 450 nm. We used the
same substrate concentration and incubation time as
Bell et al. (2013) instead of optimizing these assay
parameters for our soils. Hence, our enzyme activities
may be underestimated for some plots; however, we were
still able to observe significant differences in enzyme
activities along the chronosequence. Similarly to Bell
et al. (2013), we did not include analytical replicates
because we chose to maximize field replication.
The enzyme BG catalyzes the hydrolysis of ether

bonds in polysaccharides releasing glucose, and is thus
involved in the degradation of organic C. The enzyme
NAG is involved in releasing N-acetylglucosamine from
oligosaccharides such as chitin and peptidoglycan, and
thus is considered an N-acquiring enzyme. The enzyme
AP is involved in releasing phosphate from ester bonds,
representing a P-mineralizing enzyme (Burns et al.
2013). Extracellular enzyme activities were expressed on
oven-dry soil mass, SOC concentration, and microbial
biomass C bases. The first two bases reflect ecosystem-
level properties, while the third represents a microbial
community-level property. Expressing activity on a
microbial biomass basis represents the nutritional status
of the microbial community, which allows comparisons
across vastly different ecosystems (Boerner et al. 2005).

Microbial activity and net N mineralization

We measured heterotrophic, methane-oxidizer, and
nitrifier microbial activity by carbon dioxide (CO2),
methane (CH4), and nitrous oxide (N2O) efflux, respec-
tively, without substrate additions ex situ following
Zibilske (1994). Briefly, 20 g of refrigerated, field-moist
soils were adjusted to WHC and incubated in the dark

Xxxxx 2020 FIRE CHRONOSEQUENCE BIOGEOCHEMISTRY Article e02072; page 5



for 31 d at 21.5°C (�1°C) in 1-L Mason jars fitted with
rubber septa. We sampled 16 mL of the headspace at
day 3, 9, 17, and 31. After each sampling date, jars were
opened and flushed with ambient air. Headspace sam-
ples were then analyzed for CO2, CH4, and N2O by gas
chromatography using Shimadzu GC-2014 fitted with
thermal conductivity, flame ionization, and electron cap-
ture detectors (Shimadzu Corporation, Columbia,
Maryland, USA). Specific rates of net C mineralization
were calculated by dividing the rates of CO2–C efflux
over the 31-d period by the soil total C concentrations.
Inorganic N pool sizes before and after the 31-d incu-

bation were determined by extracting 10 g (WHC mass)
subsamples with 50 mL of 2 mol/L KCl, and analyzing
the filtered extracts for NHþ

4 and NO�
3 as described pre-

viously. Net N transformation rates were determined by
the net changes in inorganic N pools over the 31-d incu-
bation period (Binkley and Hart 1989).

Nitrification potential

We estimated potential rates of nitrification using the
shaken soil-slurry method (Hart et al. 1994), which
approximates the capacity of ammonia oxidation in soil.
Briefly, we created a soil slurry of 15 g of field-moist soil
in a 100 mL NHþ

4 and PO3�
4 solution (1.5 mmol/L of

NHþ
4 and 1 mmol/L of PO3�

4 ) in a 250-mL flask and
capped with a rubber stopper. The high concentrations
of NHþ

4 and PO3�
4 ensure that nitrification is not sub-

strate limited. Flasks were shaken (180 rpm) for 24 h. At
2, 4, 22, and 24 h, 10 mL of suspension was removed
from each flask and centrifuged at 8000 9g for 8 min.
The supernatant (5 mL) was removed from the cen-
trifuged soil slurry, placed into a disposable polypropy-
lene tube, capped, and stored at �20°C until analysis for
NO�

3 as described above. Nitrification potential is calcu-
lated as the rate of NO�

3 accumulation over time.

Statistical analyses

All statistical analyses were conducted in R (R Devel-
opment Core Team 2008) using the car (Fox and Weis-
berg 2011), lme4 (Bates et al. 2015), and MuMIn
(Barton 2018) packages. Significance was determined at
the a = 0.05 level for all statistical tests. Marginal statis-
tical significance was determined at the a = 0.10 level.
The replicated regression experimental design (Cotting-
ham et al. 2005) allowed us to analyze our chronose-
quence using both regression and analysis of variance
(ANOVA). Hence, we were able to robustly determine
biogeochemical relationships with time since fire using
regression, while also allowing for ANOVA and Tukey’s
test of honestly significant differences to determine dif-
ferences among sites.
We assessed the recovery of biogeochemical properties

and processes at the plot scale. At the plot scale, data
were proportionally averaged by the relative abundance
of cover types for each plot. These data were then

analyzed using mixed-effects models and mixed-design
ANOVAs with time since fire and sample date as fixed
factors, and plot as a random factor. We assessed the
importance of cover type in controlling soil biogeochem-
ical processes (e.g., extracellular enzyme activity, micro-
bial activity, and N transformations) at the sample scale
and during the June sampling date when the soils were
wettest and the greatest differences among sites and
cover types were expected. At the sample scale, data were
analyzed using ANOVA with fire site, substratum cover
type, and their interaction as independent variables. We
assessed differences in vegetative cover-type composi-
tions using a chi-squared independence test.
For all statistical analyses, we used QQ plots and

scale-location plots to inspect normality and homo
scedasticity, respectively. If these assumptions were not
met, data were natural-log-transformed, verified for nor-
mality and homoscedasticity, and reanalyzed (as was the
case for inorganic N assessed by resin bags, CH4 and
N2O effluxes, extracellular enzyme activities, and N
transformation processes including nitrification poten-
tial).

RESULTS

Site and soil characteristics

Cover-type composition changed significantly among
chronosequence sites (v2, P < 0.001, Fig. 3). Between
the most recent fire site (4 yr) and latest successional site
(>115 yr post-fire), tree cover increased from 8.3% to
77.8%, while N-fixing plant cover decreased from 65.3%
to 4.2%. Grass and shrub (non-N-fixing) cover was high-
est in the 25- and 44-yr fire sites, reaching maxima of
33.3% for both.
Soil characteristics (e.g., soil total C and N, WHC,

resin-available N and P, and microbial biomass C and
N) did not differ by or interact with cover type
(P > 0.100; data not shown), but at the plot scale, soil
physical and chemical characteristics were significantly
affected by time since fire (Table 1). Total C and N in
the upper 5 cm of the mineral soil increased with time
since fire (soil C, P < 0.001, R2 = 0.33, n = 37, Fig. 4a;
soil N, P = 0.014, R2 = 0.14, n = 37), and the values of
these soil characteristics in the 4- through 44-yr post-fire
sites were about 50% of the values in the >115-yr site
(Table 1). During the wet season (November-June), inor-
ganic N availability assessed by ion-exchange resin was
elevated in the 4-yr site (Table 1); NO�

3 availability was
on average 73 times that of the other sites (P < 0.001),
and NHþ

4 availability was over six times greater in the 4-
yr site than the 44-yr site (P = 0.015), although statisti-
cally similar to the other sites. During the dry season
(June-September), only the NHþ

4 availability differed by
site (P = 0.014), with the 4- and 13-yr sites 2.8 and 4.7
times higher than the >115-yr site, respectively (4 yr,
P = 0.033; 13 yr, P = 0.014). During the wet season, the
PO3�

4 availability was four orders of magnitude higher in
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the >115-yr site compared to the 4-yr site (P = 0.001),
and increased logarithmically with time since fire
(P < 0.001, R2 = 0.53, n = 15, Table 1). The availability
of PO3�

4 was not significantly different between the 13-yr
site and the >115-yr sites. During the dry season, the
relationship between time since fire and PO3�

4 availabil-
ity was not significant (P = 0.778, n = 36). However, the
PO3�

4 availability was 3.5 to 5.5 times higher in the 44-yr
site compared to the 4- and >115-yr sites (4-yr,
P = 0.026; >115 yr, P = 0.024). Soil pH was highest in
the 4-yr site and decreased logarithmically with time
since fire (P = 0.002, R2 = 0.22, n = 37).
Microbial biomass C and N increased with time since

fire (C, P = 0.008, R2 = 0.16, n = 37; N, P = 0.016,
R2 = 0.13, n = 37). However, we were only able to detect
marginally significant differences in microbial biomass
C and unable to detect significant differences in micro-
bial biomass N among sites (ANOVA, P = 0.079 and
P = 0.101, respectively; Table 1). Microbial biomass C
to N mass (C:N) ratio also did not change across the
sites (P = 0.105). Microbial biomass C normalized by
SOC (specific biomass) differed among sites (P = 0.017),
with specific biomass 36% lower in the 4-yr site com-
pared to the 25-yr site (the largest difference between
sites, P = 0.023, Fig. 4b).

Extracellular enzyme activity

For all extracellular enzymes assayed, activities nor-
malized by soil mass at the plot scale increased with time

since fire (BG, P < 0.001, R2 = 0.62, n = 37; NAG,
P < 0.001, R2 = 0.55, n = 37; AP, P < 0.001, R2 = 0.68,
n = 37; Fig. 5a–c). However, there were significant inter-
actions with sample date for BG and AP (P < 0.001),
indicating that differences in activity among chronose-
quence sites were only apparent during the June (wet)
sampling date. During the dry season sampling date,
enzyme activities were consistently low. For the June
sampling date, the 4-yr site was, on average, 70–80%
lower than the >115-yr site for the assayed extracellular
enzymes (P < 0.001). Even in the 44-yr site, NAG and
AP were still 69% and 58% lower than >115-yr site,
respectively (NAG, P < 0.001; AP, P = 0.016). Activity
for BG in the 44-yr site was only marginally lower than
the >115-yr site (P = 0.077, �39%). However, for BG
and AP, the 25-yr site was not significantly different from
the >115-yr site (P = 0.933 and P = 0.279, respectively).
Extracellular enzyme activities during the June sam-

pling date normalized by microbial biomass increased
logarithmically with time since fire (BG, P = 0.032,
R2 = 0.10, n = 37, Fig. 4c; NAG, P = 0.024, R2 = 0.11,
n = 37, Appendix S1: Fig. S1a; AP, P = 0.001,
R2 = 0.24, n = 37, Appendix S1: Fig. S1b). The bio-
mass-normalized enzyme activity for BG and AP was
almost half in the 4-yr site compared to all other sites
(P < 0.05). However, for NAG, the 13- through 44-yr
sites were not significantly different from the 4-yr site
(13 yr, P = 0.130; 25 yr, P = 0.977; 44 yr, P = 0.781),
while the >115-yr site was significantly higher
(P = 0.033).
Extracellular enzyme activity normalized by SOC

showed similar patterns, increasing with time since fire
for the June sampling date. However, while BG normal-
ized by SOC increased logarithmically through the first
44 yr (P < 0.001, R2 = 0.33, n = 37), the 4-yr site was
not significantly different from the >115-yr site
(P = 0.121, Appendix S1: Fig. S2a). Both NAG and AP
activities normalized by SOC increased logarithmically
with time since fire (NAG, P < 0.001, R2 = 0.20, n = 37,
Appendix S1: Fig. S2b; AP, P < 0.001, R2 = 0.27,
n = 37, Appendix S1: Fig. S2c).

Microbial activity

At the plot scale, cumulative respiration increased
with time since fire (P < 0.001, R2 = 0.34, n = 37) but
interacted significantly with sample date (P < 0.001;
Fig. 6a), indicating that differences in respiration among
chronosequence sites were only apparent during the June
sampling date. For the June sampling date, respiration
was, on average, 65% lower for the 4–44 yr sites com-
pared to the >115-yr site; however, the reduction was not
significant in the 25-yr site (P = 0.158, P < 0.05 for the
other three sites). On average, the September sampling
date had 25–63% lower respiration rates than the June
sampling date (P = 0.002), with the greatest reductions
in the >115-yr site. June respiration normalized by SOC
and MBC did not change with time since fire (P = 0.778

FIG. 3. Plot-scale mean percent plant cover types for each
chronosequence site (n = 8). Cover types are tree (e.g., Abies
concolor, Pinus ponderosa, Quercus spp.,), tree seedling (e.g.,
Pinus ponderosa), shrub (Arctostaphylos spp., Salix spp.), nitro-
gen-fixing plant (N-Fix; Ceanothus spp., Chamaebatia foli-
olosa), herbaceous (e.g., Carex spp., Poaceae), and bare soil.
Error bars show the standard error of the mean (13-yr site,
n = 6; 44-yr site, n = 7; all other sites, n = 8).
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and P = 0.226, respectively, data not shown), resulting
in respiration being positively correlated with SOC con-
centrations (r = 0.85, P < 0.001, n = 115, Fig. 4c).
Net methane emissions were unaffected by time since

fire (P = 0.201) and sample date (P = 0.806, Fig. 6b).
Nitrous oxide emissions increased logarithmically with
time since fire (P < 0.001, R2 = 0.29, n = 37) and were
unaffected by sample date (P = 0.911, Fig. 6c). Aver-
aged for both sample dates, nitrous oxide emissions in
the 4-yr site were 10% of the >115-yr site (P = 0.036),
but the 13-yr site was not significantly different from the
>115-yr site (P = 0.567).

N transformations

At the plot scale, net N mineralization and nitrifica-
tion were highest in the 4-yr fire site and decreased

logarithmically with time since fire (net N mineraliza-
tion, P < 0.001, R2 = 0.30, n = 37; net nitrification,
P < 0.001, R2 = 0.22, n = 37; Fig. 7a, b). However,
there were significant interactions with sample date for
both net N mineralization and net nitrification
(P = 0.003 and P = 0.033, respectively). Differences in
net N mineralization and net nitrification during the
incubation were dampened for samples collected at the
end of the dry season (i.e., September). At this sampling
date, there were higher net rates of N transformations in
the >115-yr site compared to the June sampling date.
During the wet season sampling date (i.e., June), net N
mineralization decreased logarithmically from 0.96
� 0.16 mg N�kg�1�d�1 (mean � SE) in the 4-yr site to
0.10 � 0.17 mg N�kg�1�d�1 in the >115-yr site, and net
nitrification in the 4-yr site was six times higher than the
>115-yr site (1.24 vs. 0.27 mg N�kg�1�d�1). For the June

TABLE 1. Mean (with SE) plot-scale soil properties of the chronosequence sites and coefficients of determination (r2) of the
positive (+) or negative (-) correlation with time since fire (n = 37).

Time since fire (yr)

Property 4 13 25 44 >115
Time

Since fire r2

Soil C (%) 7.81a (0.91) 4.36a (0.50) 6.42a (1.81) 6.35a (0.72) 14.25b (2.69) +0.32
Soil N (%) 0.38 ab (0.05) 0.17a (0.02) 0.29ab (0.06) 0.30ab (0.04) 0.56b (0.12) +0.14†
Soil C:N 25.0a (0.9) 30.0bc (0.6) 27.6abc (1.16) 25.2ab (0.5) 31.3c (1.8) +0.13‡
DOC
(K2SO4-extractable; mg/kg)

205ab (34) 91a (10) 144a (27) 135a (19) 300b (48) +0.19‡

DON
(total � KCl-extractable; g/kg)

3.76b (0.50) 1.72a (0.21) 2.87ab (0.63) 3.03ab (0.40) 5.56b (1.18) +0.14‡

Microbial biomass C (mg/kg) 427 (71) 317 (44) 483 (66) 420 (75) 710 (156) +0.16
Microbial biomass N (mg/kg) 54.2 (8.0) 50.6 (7.6) 85.9 (14.8) 71.3 (14.6) 104.0 (24.3) +0.13§
Microbial C:N 8.51 (0.91) 6.45 (0.19) 6.32 (0.68) 6.63 (0.73) 6.72 (0.56) N.S.¶
Wet season NHþ

4
(mg�kg�1 resin�d�1)#

0.092b (0.037) 0.031ab (0.001) 0.051ab (0.012) 0.015a (0.002) 0.036ab (0.011) N.S.

Dry season NHþ
4

(mg�kg�1 resin�d�1) ||
0.165b (0.038) 0.274b (0.128) 0.142ab (0.050) 0.107ab (0.023) 0.058a (0.006) N.S.

Wet season NO�
3

(mg�kg�1 resin�d�1)
4.002b (1.589) 0.031a (0.001) 0.051a (0.030) 0.063a (0.030) 0.248a (0.116) N.S.

Dry season NO�
3

(mg�kg�1 resin�d�1)
0.102 (0.045) 0.040 (0.002) 0.040 (0.002) 0.052 (0.005) 0.040 (0.009) N.S.

Wet season PO3�
4

(lg�kg�1 resin�d�1)
0.2a (0.1) 65.1b (25.2) 11.8b (1.0) 19.5b (1.2) 182.0b (43.6) +0.53§

Dry season PO3�
4

(lg�kg�1 resin�d�1)
17.6a (2.9) 45.1ab (5.0) 21.9ab (2.0) 78.0b (14.8) 12.1a (1.28) N.S.

pHH2O 6.49c (0.10) 6.18bc (0.14) 5.92ab (0.06) 5.71a (0.10) 5.99ab (0.12) �0.30
pH0.01 M CaCl2 5.57b (0.08) 4.83a (0.14) 4.73a (0.09) 4.53a (0.09) 4.97a (0.17) �0.22*
WHC (kg/kg) †† 0.81a (0.05) 0.83a (0.10) 0.83a (0.10) 0.76a (0.09) 1.38b (0.18) +0.31†
Soil MAT (°C) ‡‡ 12.6 (0.9) 12.7 (0.2) 11.3 (1.0) 10.6 (0.1) 9.4 (0.7) �0.26
Growing season mean
temperature (°C) §§

17.33 (1.6) 18.5 (0.1) 16.7 (1.3) 15.0 (0.3) 12.7 (0.7) �0.37

Note:Letters represent significant differences among sites (ANOVA; a = 0.05).
*Log of independent variable.
† Natural-log-transformation of the independent variable.
‡ Natural-log-transformation of the dependent variable.
§ Natural-log-transformation of the independent and dependent variable.
¶ Not significant (P > 0.05).
# November–June.
k June–September.
†† Water holding capacity.
‡‡ Mean annual temperature.
§§ May–December.
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sampling date, both net N mineralization and nitrifica-
tion were significantly higher in the 4-yr site compared
to the >115-yr site (both: P < 0.001), but the 13-yr
through 44-yr sites were not significantly different from
the >115-yr site (P > 0.100). Overall, net N mineraliza-
tion and nitrification were highly correlated (Spearman’s
rho = 0.90, P < 0.001, n = 116).
At the plot-scale, soil nitrification potential showed a

non-monotonic response to time since fire (P < 0.001;
Fig. 7c), with the highest potentials in the 44-yr site.
Nitrification potential at this site was about 3.5 times
higher than the 13-yr (P = 0.002) and >115-yr sites
(P < 0.001). The 4- and the 25-yr sites were also 2 and
1.5 times higher than the >115-yr site, respectively (both
P < 0.001). Nitrification potential was unaltered by the

main effect of sample date (P = 0.109), and this trend
was consistent across both sampling dates (i.e., no inter-
action; P = 0.300).

Influence of cover type

Cover type was not a consistent predictor of biogeo-
chemical processes (Table 2, Appendix S1: Figs. S3–
S5). However, microbial respiration and net nitrifica-
tion significantly differed by cover type (P = 0.024 and
P = 0.033, respectively). Upon further inspection using
Tukey’s HSD tests, microbial respiration under N-fix-
ing plants was marginally higher than under the bare
cover type (30%, P = 0.082), but we failed to detect
even marginally significant differences among cover

FIG. 4. Control of carbon (C) cycling processes in the long-term recovery after fire. (a) June plot-scale soil organic C (SOC;
orange line represents third-order polynomial linear regression, P < 0.001, R2 = 0.35) plotted against time since fire, (b) microbial
biomass C (MBC) normalized by SOC against time since fire, (c) b-glucosidase normalized by MBC (orange line represents second-
order polynomial linear regression, P = 0.012, R2 = 0.18) plotted against time since fire, and (d) sample-scale respiration (measured
as mg CO2-C/kg) as a function of SOC quantity (orange line shows best-fit regression, P < 0.001, R2 = 0.56, n = 114). For all pan-
els, shaded region shows the 95% confidence interval of the best-fit regression. For plot-scale measurements (a, b, and c), n = 6 in
the 13-yr site, n = 7 in the 44-yr site, and n = 8 in all other sites.
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types for net nitrification due to the loss of degrees of
freedom and inferential power when assessing multiple
comparisons. There was also a significant cover type
by time since fire interaction for N2O emissions

(P = 0.040). In the 44-yr site, N2O emissions were, on
average, 10 times higher under N-fixing plants com-
pared to trees, although this was only marginally sig-
nificant (P = 0.075). There was a similar difference in

FIG. 5. Plot-scale extracellular enzyme activity for (a) b-glu-
cosidase (BG), (b) N-acetylglucosaminidase (NAG), and (c)
acid phosphatase (AP) with time since fire (13-yr site, n = 6; 44-
yr site, n = 7; all other sites, n = 8). Gray and white box plots
represent the median, interquartile range (IQR), and 1.5 9 IQR
for enzyme activities at each chronosequence site during June
and September, respectively. Orange lines show the best-fit
regression of extracellular enzyme activity with time since fire,
and shaded area shows the 95% confidence interval of the
regression.

FIG. 6. Plot-scale cumulative gas fluxes for (a) carbon diox-
ide (CO2), (b) methane (CH4), and (c) nitrous oxide (N2O) from
31-d laboratory incubations (13-yr site, n = 6; 44-yr site, n = 7;
all other sites, n = 8). Gray and white box plots represent the
median, interquartile range (IQR), and 1.5 9 IQR for gas fluxes
at each chronosequence site during June and September, respec-
tively. Orange lines show the best-fit regression of gas emissions
with time since fire, and shaded area shows the 95% confidence
interval of the regression. There was no statistically significant
interaction between sample date and time since fire for CH4
and N2O fluxes, so for these response variables, only one regres-
sion line is shown.
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the 25-yr site with soils under N-fixing plants produc-
ing, on average, 10 times higher N2O emissions than
bare soils, but again this was only marginally different
(P = 0.058).

DISCUSSION

Multi-decadal impacts on C cycling

Consistent with our hypothesis, ecologically novel,
high-severity fire resulted in multi-decadal alterations to
the C cycle, specifically, decreased mineral SOC
(Table 1), soil extracellular enzyme activity (Fig. 5), and
soil microbial respiration (Fig. 6a), and the controls on
C cycling (particularly soil microbial respiration) chan-
ged with time. Whereas combustion of the organic soil
horizon is common, generally, losses of mineral SOC
from fire are rare. In a global meta-analysis encompass-
ing 57 publications across both prescribed fire and wild-
fire, post-fire mineral SOC concentrations decreased by
11% (Nave et al. 2011). Mineral SOC is more resistant to
combustion compared to organic horizon C due to the
high heat capacity of mineral soil (Neary et al. 1999).
Hence, higher-severity fire patches have been shown to
result in greater mineral soil C losses compared to low-
severity patches in southern boreal forests (Kolka et al.
2014). Even under high-severity wildfire, other sites in
the Sierra Nevada and similar dry coniferous forests did
not have significant decreases in mineral SOC 3–30 yr
following fire compared to unburned sites (Johnson et al.
2005, Grady and Hart 2006, Kaye et al. 2010, Ross et al.
2012, Adkins et al. 2019). However, there were, on aver-
age, 20% decreases in soil C regardless of burn severity
directly after fire across five mixed-conifer sites in Cali-
fornia when the site was assessed pre/post-fire (Miesel
et al. 2018). This difference highlights the nuanced con-
gruence between fire severity and mineral SOC loss, the
importance of time since fire, and potential differences
between experimental and retrospective studies. Our
long-term (>20 yr) reduction in mineral SOC compared
to unburned sites has, to the best of our knowledge, not
been described by the literature. In another high-severity
wildfire chronosequence in a Mediterranean Pinus forest,
mineral SOC recovered 12 yr post-fire after an initial
decrease (Kavdır et al. 2005). The scarcity of long-term
high-severity fire chronosequences prevents a global
interpretation of the long-term effects of high-severity
fire on SOC pools and underscores the importance of
long-term fire ecology research.
Surprisingly, wet season respiration normalized by

SOC, which is an index of C quality and availability
(Grady and Hart 2006, Rousk and Frey 2015), was unaf-
fected by fire. Pyrolization of organic matter results in
an increase in aromatic compounds that are generally
more resistant to microbial decay (Keiluweit et al. 2010,
Bird et al. 2015). Frequently, this results in decreased
respiration (Grady and Hart 2006, Santos et al. 2012,
Whitman et al. 2016). However, because wet season res-
piration in our study was positively correlated with SOC
concentrations (Fig. 4c), it is likely that long-term
decreased C quantity, not quality or accessibility,
decreased rates of respiration throughout the first four
decades post-fire (Fig. 4a).

FIG. 7. Plot-scale net nitrogen (N) (a) mineralization and
(b) net nitrification during a 31-d laboratory incubation, and
potential nitrification (c, 13-yr site, n = 6; 44-yr site, n = 7; all
other sites, n = 8). Gray and white box plots representing the
median, interquartile range (IQR), and 1.5 9 IQR for N trans-
formations at each chronosequence site during June and
September, respectively. Orange lines show the best-fit regres-
sion of N transformations with time since fire, and shaded area
shows the 95% confidence interval of the regression. There was
no statistically significant interaction between sample date and
time since fire for nitrification potential, so for this response
variable, only one regression line is shown.
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In the short-term (<10 yr), decreased soil microbial
biomass and activity likely also decreased microbial res-
piration. While microbial biomass on a soil mass basis
was only marginally significantly affected by fire, the
fraction of SOC as microbial biomass C was lowest in
the 4-yr fire site (Fig. 4b). This suggests that there were
indirect effects of fire on biomass growth besides C,
such as altered soil structure, decreases in the quality of
litter inputs, or reductions in other limiting resources
(e.g., PO3�

4 availability was lowest in the 4-yr site,
Table 1). Alternatively, fire-induced microbial mortality
may still have had a lingering effect 4 yr post-fire, as
there was less microbial biomass C than would be
expected per mass of total C. Additionally, wet season
extracellular enzyme activity expressed on a microbial
biomass basis and on a soil mass basis increased with
time since fire (Fig. 4a), suggesting that the microbial
communities were less active immediately post-fire.
Enzyme activities generally are lower in burned sites
than in unburned controls (Gu�enon et al. 2013, Knel-
man et al. 2015, 2017). However, activities normalized
by microbial biomass are often not reported. Thus, it is
unclear if published patterns are in response to
decreased microbial biomass or altered edaphic condi-
tions that decrease activity. For instance, increased soil
pH (seen in the 4-yr site, Table 1) can have a negative
effect on soil extracellular enzyme activity (Sinsabaugh
et al. 2008, Kivlin and Treseder 2014) because the pH
optima for many extracellular enzymes is ~5 (Leprince
and Quiquampoix 1996, Turner 2010). Therefore,
short-term changes in soil conditions along with
decreased soil microbial biomass lowered soil enzyme
activity and likely dampened microbial respiration
(Fig. 4a–c).

Consistent methane efflux among time since fire sites
is largely at odds with other studies that show that
in situ methane uptake increases at least 10 yr post-fire
in semiarid ecosystems (Gathany and Burke 2001, Sulli-
van et al. 2011). Whereas decreased plant cover altered
soil moisture and temperature dynamics, which impact
methane dynamics (Segers 1998), the presence of an O
horizon and ability of methane to diffuse into the min-
eral soil is the greatest driver of methane uptake (Sulli-
van et al. 2011). However, unlike these previous studies,
we measured methane efflux under laboratory condi-
tions, controlling for water potential (i.e., soils were
incubated at WHC) and temperature and disrupting the
original soil structure. Our findings show that potential
methane uptake slightly increases with time since fire,
possibly due to the recovery of the methane-oxidizer
community. There are relatively few studies describing
methane dynamics post-fire in semiarid ecosystems.
Given that methane is an important greenhouse gas,
which may change with wildfire, and that semiarid
ecosystems are projected to burn more frequently
(Westerling et al. 2006, Restaino and Safford 2018),
future studies of the C cycle in response to wildfire
should include methane dynamics.

Short-term impacts on N cycling caused by increased N
availability

Our hypothesis that N cycling processes would be
increased by substrate availability shortly after fire
(<10 yr) was supported by the data. The drastic increase
in N availability after fire in fire-suppressed ecosystems
is corroborated by numerous studies (St. John and Run-
del 1976, Covington and Sackett 1992, Kaye and Hart
1998, DeLuca and Sala 2006, Johnson et al. 2007, 2008,
Kurth et al. 2014), and may be due to fire-induced N
mineralization (St. John and Rundel 1976), wetter and
warmer conditions that increase mineralization of
organic matter (Kaye and Hart 1998), increased cover of
N-fixing plants (Johnson et al. 2005), decreased C:N
ratio of litter from post-fire vegetation (e.g., grasses;
Boyle et al. 2005), or lower plant N uptake post-fire
(Kurth et al. 2014). Combined with decreased C avail-
ability in the recent fire sites, post-fire N availability
likely contributed to a relative decrease in microbial N
demand and increased wet season net rates of N miner-
alization and nitrification possibly through decreased N
immobilization (Kaye and Hart 1998).
Our hypothesis that fire-induced changes to N trans-

formations would last longer than one decade was lar-
gely unsupported by the data. Whereas others have seen
long-term increases in gross, net, and potential nitrifica-
tion one to three decades post-wildfire in seasonally dry
mixed-conifer forests similar to our sites and more glob-
ally (DeLuca and Sala 2006, Kurth et al. 2014, Wang
et al. 2014), we only detected increased net nitrification
and nitrate flux in the 4-yr site and increased nitrifica-
tion potential in the 44-yr site compared to the >115-yr

TABLE 2. Sample-scale summary statistics (P) for the influence
of time since fire and substratum cover type on
biogeochemical processes using analysis of variance.

Processes
Time since

fire
Cover
type Interaction

Microbial activity
CO2 (mg C-CO2/kg) <0.001 0.024 0.616
CH4 (mg C-CH4/kg) <0.001 0.652 0.775
N2O (mg N-N2O/kg) 0.001 0.077 0.040

Exo-enzymes activities
b-glucosidase (lmol/kg) <0.001 0.119 0.459
N-acetylglucosaminidase
(lmol/kg)

<0.001 0.560 0.969

Acid phosphatase
(lmol/kg)

<0.001 0.213 0.072

N transformations
Net N mineralization
(mg N/kg)

<0.001 0.056 0.288

Net nitrification
(mg N-NO�

3 /kg)
<0.001 0.033 0.494

Nitrification potential
(mg N-NO�

3 /kg)
<0.001 0.367 0.888

Note:Values in boldface type are considered significant
(a = 0.05).
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site. The lack of correspondence between nitrification
potential and net nitrification suggests that net nitrifica-
tion was unaltered by changes to the nitrifier population
size (to which nitrification potential is directly related;
Belser 1979). Furthermore, N2O efflux (which we used
as a measure of nitrifier activity given soils were incu-
bated under putative aerobic conditions) increased with
time since fire and was also uncorrelated with both net
nitrification and nitrification potential. This suggests
that differences in the microsite heterogeneity of ammo-
nium availability among sites caused variations in NO�

3
consumption further uncoupling gross and net rates of
nitrification (Davidson et al. 1990). High rates of NO�

3
consumption in mature forests (with relatively high N
demand like our >115-yr site) has been shown to mask
gross nitrification in mature forest soils (Stark and Hart
1997), so it is not necessarily surprising that these three
indices of the nitrifier community were uncorrelated
among sites with vastly different C and N availabilities.
The relatively low rates of potential nitrification and

N2O efflux at the 4- through 25-yr sites could be due to
longer term decreases in population of ammonia oxidiz-
ers (Yeager et al. 2005, but see Long et al. 2014), which
are more sensitive to heat compared to heterotrophic
bacteria (Dunn et al. 1985). Differences in the recovery
of ammonia-oxidizing archaea (AOA) and ammonia-
oxidizing bacteria (AOB) could also drive the response
of nitrification potential and nitrification-derived N2O
emissions, as AOB show a stronger relationship with
nitrification potentials (Carey et al. 2016) and are rela-
tively more “leaky” in terms of N2O emissions during
nitrification (Di et al. 2010). Therefore, further analysis
of the microbial community might help elucidate differ-
ent patterns of post-fire N cycling among studies.

Influence of cover type

Our hypothesis that the long-term recovery of soil bio-
geochemical processes would be controlled by vegetative
cover type was largely unsupported. In a few instances,
rates of biogeochemical processes were greater under N-
fixing plants (i.e., microbial respiration and N2O emis-
sions); however, we found no evidence of cover type
becoming more important with time since fire. This is
largely at odds with the previous literature describing the
recovery of biogeochemical processes following histori-
cal fires, which suggests that C and N inputs from recov-
ering vegetation structure the microbial community
composition and function (Hart et al. 2005). For
instance, grass patches resulting from forest restoration
treatments (which include prescribed burning) increase
net rates of N transformations and enzyme activities and
influence community-level physiological profiles likely
through the supply of low C:N ratio plant litter (Kaye
and Hart 1998, Boyle et al. 2005). Furthermore, the
increase in N-fixing plant (e.g., Ceanothus spp.) abun-
dance following wildfire has been linked with increased
SOC and microbial activity (Johnson et al. 2005). These

inputs may also interact with microbial processes, as
increased shrub cover during secondary succession has
been linked to greater concentrations of phenolic com-
pounds which may inhibit nitrification (MacKenzie
et al. 2004). Recovering vegetation may also affect N
and water availability through plant demand for these
soil resources. In the first year after high-severity fire in
a ponderosa pine (Pinus ponderosa) ecosystem, soils
underneath the herb golden corydalis (Corydalis aurea)
had higher levels of microbial biomass and soil N and
lower levels of NHþ

4 and moisture than bare soils (Knel-
man et al. 2015). Our results demonstrate that plant
cover type may not affect the recovery of biogeochemical
processes after fire in all contexts.
It is possible that the effect of ecologically novel, high-

severity fire was so great that it masked the influence of
post-fire vegetation. Post-fire vegetation likely affects
soil microorganisms and biogeochemical function
through changes to the supply of C through litter and
belowground inputs (e.g., net primary production), the
quality of C (e.g., percent lignin, C:N ratio), competition
for nutrients between the plant and microbial communi-
ties, and direct symbioses (e.g., mycorrhizae; Hart et al.
2005). However, mineral SOC concentrations only dif-
fered by fire not cover type, and C quality assessed by
SOC-normalized respiration was similar regardless of
fire and cover type. While post-fire plant C inputs may
vary among cover types, these inputs are likely much
smaller than the relatively large C pool combusted by
these high-severity wildfires.
It is also possible that these vegetation effects emerge

at different scales not sampled in our study. Rhizosphere
microorganisms are often controlled by the species they
have colonized (Bais et al. 2006); however, we did not
differentiate between rhizosphere and bulk soil under
each cover type. Also, the influence of vegetation can
extend several meters into the surrounding bulk soil
(Saetre 1999). Hence, patterns may emerge at the rhizo-
sphere, stand, or plot scale (Kaye and Hart 1998, Boyle
et al. 2005, Hart et al. 2005) but not the soil-core scale
(as in our study). Our plot-scale measurements were an
integration of all cover types found in the plot, so we
were not able to test a cover-type effect at the plot scale.
The emergence of ecological phenomena at different
scales is common and underscores the need for multi-
scale approaches (Levin 1992). Whereas many biochemi-
cal transformations occur at microscopic scales, plants
likely operate on scales orders of magnitude larger.
Hence, understanding the interactions within the plant–
soil–microbe system necessitates research at multiple
scales, both spatial and temporal.

Seasonal dynamics of biogeochemical rates

Consistent with our hypothesis, differences among fire
sites for a majority of the biogeochemical rates were only
apparent in the wet season. The Sierra Nevada of Cali-
fornia has a Mediterranean-type climate and is
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characterized by cool, wet winters and warm, relatively
dry summers. During the dry late-summer months, soil
microorganisms enter a state of relative dormancy (Len-
non and Jones 2011). Hence, rates of extracellular
enzyme activity measured at field moisture and CO2

efflux measured under non-water-limiting conditions
were consistently low across all sites. However, net rates
of N mineralization and nitrification were consistently
higher across all sites when sampled during the dry sea-
son. This indicates that soil microorganisms were still
mineralizing organic matter, but likely with decreased N
immobilization, suggesting that maintenance rather than
growth was favored under these conditions. These find-
ings further exemplify how microbial dormancy affects
biogeochemical cycles (Hart et al. 1992, Stark and Fire-
stone 1995, Schimel et al. 2007) and that the season dur-
ing which soils are sampled can affect the ability to
detect changes among treatments.

CONCLUSION AND MANAGEMENT APPLICATIONS

Previous studies suggest that soil biogeochemical pro-
cesses are generally resilient to wildfire within the histor-
ical range of variation for that ecosystem. However, we
show that impacts of fire can be long-lasting in instances
of disturbances outside the historic range of variation
(over twice the historical fire return interval for these
forests, Fry et al. 2014). Our data suggest that high-
severity wildfires have both short- and long-term impli-
cations. The transition from microbial biomass limita-
tion of respiration at early stages of recovery to SOC
limitation at later stages of recovery suggests the chang-
ing controls of biogeochemical processes post-fire and
underscores the importance of long-term fire ecology
research. Whereas fire chronosequences may suffer from
site-specific characteristics that cannot be controlled for
(e.g., micro-scale variations in soil properties) or climatic
events that are time dependent (e.g., El Ni~no events), we
show the utility of this approach when sites are carefully
selected for common characteristics and when recovery
from disturbances occur over long timescales.
At large spatial scales, high-severity fires in the mixed-

conifer forests of the Sierra Nevada have numerous neg-
ative impacts on human health and ecosystem services.
Prescribed burns, selective thinning, and fires managed
for resource benefits can help prevent ecologically novel,
predominantly high-severity fires (Safford et al. 2009).
Hence, these management techniques could be useful in
maintaining ecosystem services in the face of climate
change and increasing fire severity in dry coniferous for-
ests of the Sierra Nevada and elsewhere. For instance,
little if any mineral SOC is combusted during prescribed
or low-severity fire in coniferous forests (Boerner et al.
2009, Ryu et al. 2009, Nave et al. 2011, Pellegrini et al.
2018) in contrast to 20% loss during high-severity fire
(Miesel et al. 2018). The long-term 45–69% decreases in
mineral SOC, relative to the unburned site, found in our
study are uncommon; however, areas burning at high

severity are proportionally increasing over time (Miller
et al. 2009b, Steel et al. 2018) along with fire frequency
(Westerling et al. 2006). Therefore, these “rare” occur-
rences are becoming more common, putting large SOC
pools found in temperate coniferous forests at risk. Our
results suggest that sustainable forest management in the
mixed-conifer forests of the Sierra Nevada should priori-
tize mitigation of ecologically novel, high-severity fire
through prescribed burns, selective thinning, and wild-
land use fires.
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