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ABSTRACT OF THE DISSERTATION 

 
Soil microbial responses to disturbance events and consequences for carbon cycling in terrestrial 

ecosystems 
 

By 
 

Sandra Robin Holden 
 

Doctor of Philosophy in Biological Sciences 
 

 University of California, Irvine, 2014 
 

Professor Kathleen K. Treseder, Chair 
 
 
 

Understanding the response of soil microbial communities and decomposition to global 

environmental changes is central to our ability to accurately forecast future terrestrial carbon (C) 

storage and atmospheric CO2 levels. Increases in the frequency and severity of disturbance 

events are one element of global change in terrestrial ecosystems. The goal of this dissertation 

was to measure the response of soil microbial communities and decomposition to disturbance 

events and to examine the mechanisms underlying post-disturbance changes in decomposition. In 

the first part of my dissertation work I explored these questions within the context of wildfires in 

boreal forests. Chapter 1 characterized soil microbial communities and the rate of decomposition 

across a fire chronosequence in interior Alaska. I found that boreal forest fires reduced soil 

microbial abundance, altered fungal community composition, and suppressed litter 

decomposition. Chapter 2 investigated whether soil microbial responses to boreal forest fires 

differ as a function of fire severity. I demonstrated that higher severity fires elicited greater 

reductions in soil microbial biomass and larger shifts in fungal community composition than 

lower severity fires. Chapter 3 tested the mechanisms through which boreal forest fires alter 
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decomposition processes. I discovered that decomposition rates were slower in recently burned 

forests because of post-fire reductions in soil moisture and C substrate quality.  

In the second part of my dissertation I expanded my findings to other types of disturbance 

events using meta-analysis. Chapter 4 reviewed the response of soil microbial biomass to fires. I 

found that soil microbial biomass was significantly lower in recently burned ecosystems, but the 

response of microbial biomass to fire differed by fire type and biome. Chapter 5 examined soil 

microbial responses to abiotic (fire, harvesting, storms) and biotic (insect infestation, pathogen 

outbreaks) disturbances in forests. I observed that abiotic disturbances significantly reduced soil 

microbial biomass, while changes in microbial biomass were non-significant following biotic 

disturbance events. Collectively, these findings suggest that reductions in soil microbial biomass 

and decomposition rates following abiotic disturbances are likely to slow the transfer of C from 

soils to the atmosphere and provide a negative feedback to rising atmospheric CO2 

concentrations and global change.  

 

 

 

 

 

 

 

 

 



 1 

INTRODUCTION 

Developing a predictive understanding of carbon (C) storage in terrestrial ecosystems, 

and in particular how C storage is altered by environmental changes, is a central goal of 

ecosystem ecology. Making progress towards this goal has become increasingly important as 

human activities add CO2 to the atmosphere and cause corresponding climate warming and other 

global changes (IPCC 2013). Carbon storage in terrestrial ecosystems is governed by the balance 

between C gains from photosynthesis and C losses to the atmosphere through decomposition. 

The factors controlling photosynthesis and its response to environmental changes are relatively 

well established (Berry and Dowton 1982). On the other hand, our knowledge of decomposition 

processes and the response of decomposition to global change remains poor relative to 

photosynthesis (Trumbore 2006). The uncertainty hinders predictions of future C storage in 

terrestrial ecosystems, and resolving the response of decomposition to global change represents a 

critical challenge for ecosystem ecologists. Recently, several studies have advanced our 

understanding of the response of decomposition to changes in temperature (Aerts 2006, 

Davidson and Janssens 2006), precipitation (Salamanca et al. 2003, Allison et al. 2013), and 

nutrient availability (Knorr et al. 2005, Allison et al. 2013). However, the consequences of 

additional aspects of global change (e.g., disturbance, species invasion, land use change) for 

decomposition and ecosystem C storage have received less attention.   

 Increases in the frequency and severity of disturbance events are one element of global 

change in terrestrial ecosystems. The most common types of disturbances in terrestrial 

ecosystems are fires, storms, harvesting, insect infestations, and pathogen outbreaks (Amiro et al. 

2010, Goetz et al. 2012). These disturbances can be broadly grouped into abiotic (fire, storms, 

harvesting) and biotic (insect, pathogen) disturbances. Disturbance is considered a natural 



 2 

component of many ecosystems, but both abiotic and biotic disturbances are likely to occur more 

frequently and with greater severity as a result of climate warming (Dale et al. 2001). For 

example, climate warming and drying favor more frequent fires that burn at high severity, 

especially in forest ecosystems (Westerling et al. 2006, Flannigan et al. 2009b, Flannigan et al. 

2013). In addition, severe storms (e.g., hurricanes, thunderstorms) are likely to become more 

common with continued climate warming (Knutson et al. 2010, Diffenbaugh et al. 2013). Biotic 

disturbances may also occur more frequently if warmer temperatures provide favorable 

conditions for insects or pathogens, or if heat-stress makes plants more susceptible to attack 

(Dale et al. 2001, Bentz et al. 2010, Hicke et al. 2012). A growing body of evidence derived from 

eddy covariance measurements suggests that disturbance events are the primary mechanism that 

shift ecosystems from C sinks to C sources (Baldocchi 2008, Running 2008). However, the 

contribution of post-disturbance changes in decomposition to ecosystem C balance following 

disturbance events is uncertain, because very few studies have investigated how disturbance 

events alter decomposition rates.  

The rate of decomposition is controlled primarily by abiotic factors (e.g., temperature, 

moisture), the quantity and quality of substrates available for decomposition, and the soil 

microbial community (Prescott 2010, Chapin et al. 2011a). Classic ecosystem theory of 

secondary succession predicts that decomposition rates increase following disturbance events 

(Covington 1981, Chapin et al. 2011b, Harmon et al. 2011). After an initial increase, 

decomposition rates are predicted to decline during secondary succession and to be lowest in late 

successional ecosystems. Decomposition rates are hypothesized to increase following 

disturbance events for two reasons. First, soil temperatures are often highest in recently disturbed 

ecosystems, and post-disturbance increases in soil temperatures are expected to stimulate the 
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activity of decomposer organisms. Second, many disturbance events transfer aboveground C 

pools to the soil surface, and increases in the amount of C that is available for decomposition are 

also predicted to augment the activity of microbial decomposers (Chapin et al. 2011b). Despite a 

strong theoretical foundation, decomposition rates during secondary succession and the 

mechanisms that govern post-disturbance changes in decomposition have not been explicitly 

tested in previous studies. If decomposition rates do indeed increase following disturbance 

events, this could represent a positive feedback to rising atmospheric CO2 concentrations and 

global change (Richter et al. 2000, Allison and Treseder 2011). Therefore, understanding the 

response of decomposition to disturbance events is a necessary step towards developing accurate 

predictions of future C storage in terrestrial ecosystems and atmospheric CO2 levels.  

Despite their central role in decomposition and C release from ecosystems, hypothesized 

post-disturbance increases in decomposition do not explicitly consider the response of the soil 

microbial community to disturbance events. Rather, this classic hypothesis assumes that 

decomposition rates can be predicted from data on abiotic conditions and substrate availability 

alone. Recent findings have challenged this assumption and demonstrated that microbial biomass 

and community composition can directly influence rates of decomposition and CO2 respiration 

(Allison et al. 2013, Reed and Martiny 2013). Although numerous studies have measured the 

response of soil microbial biomass to ecosystem disturbances, the results among these studies are 

inconsistent. Some studies have found that microbial abundance increases in recently distributed 

soils (Holmes and Zak 1999, Bogorodskaya et al. 2009), while other studies report that 

disturbance events negatively affect soil microbial biomass (Arunachalam et al. 1996, Smith et 

al. 2008, Bárcenas-Moreno et al. 2011). Fewer studies have examined how disturbance events 

alter the composition of the soil microbial community, especially using next generation 
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sequencing methods. The consequences of post-disturbance changes in soil microbial biomass 

and community composition for decomposition during secondary succession remain to be tested.  

In summary, the response of the soil microbial community and the rate of decomposition 

to disturbance events—and the mechanisms underlying this response—are uncertain. This 

uncertainty constrains our ability to predict how increases in the frequency and severity of 

disturbance events will feedback to alter ecosystem C storage and atmospheric CO2 

concentrations. Therefore, the goal of this dissertation was to address the following questions:  

1. What are the immediate and longer-term responses of soil microbial communities to 

disturbance events? 

2. Do soil microbial community responses to disturbance differ as a function of disturbance 

severity? 

3. How does the rate of decomposition change immediately following disturbances and 

throughout secondary succession? 

4. What are the relative influences of post-disturbance changes in abiotic conditions, the 

substrates available for decomposition, and the soil microbial community in determining 

post-disturbance decomposition rates? 

The first part of my dissertation work explored these questions within the context of 

wildfires in boreal forests. Relationships among disturbance, soil microorganisms, and 

decomposition are important to clarify in boreal forests for two reasons. First, climate warming 

and drying are shifting boreal forest fires dynamics to a fire regime characterized by a high 

frequency of extreme fire years with large fires that burn at high severity (Gillett et al. 2004, 

Turetsky et al. 2011, de Groot et al. 2013). Second, the soils of boreal forests store a large 

fraction of global soil C (Jobbagy and Jackson 2000, Tarnocai et al. 2009), and this C could 
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potentially be released to the atmosphere as CO2 if decomposition rates are stimulated by 

wildfires. I established a fire chronosequence in boreal forests of interior Alaska with stands that 

were 1, 7, 12, 24, 55, ~90, ~100 years post-fire. In Chapter 1, I measured soil microbial biomass, 

fungal abundance, fungal community, composition, extracellular enzyme activity, and the rate of 

litter decomposition at each of these sites. In Chapter 2, I investigated whether the response of 

soil microbial biomass and fungal community composition to boreal forest fires differed as a 

function of fire severity. I accomplished this by sampling from 19 different locations within the 

1-year burn site that differed in fire severity. In Chapter 3, I evaluated the mechanisms that 

govern changes in decomposition following boreal forest fires. Specifically, I conducted a 

reciprocal transplant between the 1-year burn site and the 100-year burn site to test how post-fire 

changes in abiotic conditions, C substrate composition, and the soil microbial community 

influence decomposition following boreal forest fires. 

The second part of my dissertation work examined the response of soil microbial 

communities to additional types of disturbance events using meta-analysis. Chapter 4 is a meta-

analysis of 42 published soil microbial responses to fire across the globe. The included studies 

examined both wildfires and prescribed burns, and were conducted in a variety of biomes 

including grasslands, temperate forests, boreal forests, and shrublands. In Chapter 5, I conducted 

a meta-analysis of 139 published soil microbial responses to disturbance events in temperate, 

tropical, and boreal forests. These disturbances included fire, harvesting, storms, insect 

outbreaks, and pathogen-induced tree mortality. Taken together, this research offers new insights 

into the consequences of disturbance events for soil microbial communities, decomposition 

processes, and C storage in terrestrial ecosystems.  
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CHAPTER 1 

Changes in soil fungal communities, extracellular enzyme activities, and litter 

decomposition across a fire chronosequence in Alaskan boreal forests 

Abstract 

Wildfires are a pervasive disturbance in boreal forests, and the frequency and intensity of 

boreal wildfires is expected to increase with climate warming. Boreal forests store a large 

fraction of global soil organic carbon (C), but relatively few studies have documented how 

wildfires affect soil microbial communities and soil C dynamics. We used a fire chronosequence 

in upland boreal forests of interior Alaska with sites that were 1, 7, 12, 24, 55, ~90, and ~100 

years post-fire to examine the short- and long-term responses of fungal community composition, 

fungal abundance, extracellular enzyme activity, and litter decomposition to wildfires. We 

hypothesized that post-fire changes in fungal abundance and community composition would 

constrain decomposition following fires. We found that wildfires altered the composition of soil 

fungal communities. The relative abundance of ascomycetes significantly increased following 

fire while basidiomycetes decreased. Post-fire decreases in basidiomycete fungi were likely 

attributable to declines in ectomycorrhizal fungi.  Fungal hyphal lengths in the organic horizon 

significantly declined in response to wildfire, and they required at least 24 years to return to pre-

fire levels. Post-fire reductions in fungal hyphal length were associated with decreased activities 

of hydrolytic extracellular enzymes. In support of our hypothesis, the decomposition rate of 

aspen and black spruce litter significantly increased as forests recovered from fire. Our results 

indicate that post-fire reductions in soil fungal abundance and activity likely inhibit litter 

decomposition following boreal wildfires. Slower rates of litter decay may lead to decreased 



 7 

heterotrophic respiration from soil following fires and contribute a negative feedback to climate 

warming.  

 

Introduction 

 Given the large amount of C stored within boreal ecosystems, there is increasing interest 

in the role of boreal forests in the global C cycle and in feedbacks between climate change and 

the C cycle in these regions. Boreal ecosystems have already warmed by approximately 1.5 °C 

(Moritz et al. 2002) and are anticipated to warm by an additional 4–7 °C by the end of the 

century (ACIA 2004). One potential consequence of climate warming in boreal forests is an 

increase in the frequency and intensity of wildfires. Wildfires currently burn approximately 

110,000 km2 in boreal forests every year (Giglio et al. 2006) and warmer and drier climate 

patterns, coupled with a longer growing season, provide increased opportunities for fire 

occurrence. In Alaskan boreal forests, wildfire occurrence has increased threefold in the past 30 

years (Kasischke and Stocks 2000) and the 2000s experienced a larger burned area and number 

of extreme fire events than any other decade in the modern record period (Kasischke et al. 2010). 

Modeling studies predict that the burned area in Alaskan and Canadian boreal forests will further 

increase 3.5–5.5 times by the end of the century (Balshi et al. 2009). Boreal wildfires directly 

affect the C cycle via CO2 emissions from biomass combustion, and indirectly through long-term 

changes in ecosystem C dynamics that occur during forest recovery and succession (Goulden et 

al. 2011). Understanding how wildfires indirectly affect the C cycle, and particularly soil C 

dynamics, is critical for predicting feedbacks between climate change, wildfires, and the C cycle 

in boreal forests. 
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 Soil microbial communities contribute to the transfer of C from terrestrial ecosystems to 

the atmosphere via the decomposition of organic matter (Swift et al. 1979) and thus are likely to 

play a major role in mediating indirect wildfire feedbacks to the C cycle. Despite their role in 

mediating C cycle feedbacks, the response of decomposer organisms to boreal wildfires is 

uncertain. Previous studies have concluded that post-fire increases in soil temperature stimulate 

microbial activity (Burke et al. 1997, Richter et al. 2000, Kim and Tanaka 2003), leading to 

higher rates of organic matter decay and augmenting ecosystem C losses. However, these 

conclusions are primarily based on measurements of total soil respiration per unit area and are 

built on the assumption that the autotrophic component of soil respiration is negligible following 

fires (Richter et al. 2000). Direct measurements of soil microbial activity or decomposition 

following wildfires are relatively scarce.  

Putative increases in microbial activity following fires are difficult to reconcile with the 

observed response of soil microbial biomass to wildfires. Total microbial biomass, and fungal 

biomass specifically, generally declines following wildfires (Bååth et al. 1995, Grady and Hart 

2006, Dooley and Treseder 2012). Fires may negatively affect total soil microbial abundance 

through both direct and indirect mechanisms. Direct heat transfer to soils during fire may lead to 

heat-induced microbial mortality (Hart et al. 2005, Cairney and Bastias 2007). Additionally, fires 

alter soil physical and chemical properties like hydrophobicity, nutrient concentrations, and C 

quality and these changes may in turn have negative consequences for microbes (Certini 2005). 

Five years following a wildfire in a boreal forest, Waldrop and Harden (2008) observed 

reductions in soil fungal biomass, oxidative enzyme activity, and lignin decomposition. These 

results suggest that decomposition rates may not increase following fires and instead that post-

fire reductions in microbial abundance can reduce the potential of soil microbes to decompose 
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soil C.  

Soil microbial responses to fire are likely to change over the course of forest recovery 

and may only persist until aboveground plant communities regenerate (Hart et al. 2005). 

Aboveground plant biomass can recover in as little as four years following boreal wildfires 

(Mack et al. 2008). The rapid recovery of plant biomass following fire suggests that the response 

of microbial biomass to fire may also be ephemeral. In addition, compositional shifts in soil 

microbial communities in response to fire will likely change throughout forest secondary 

succession. Fire has previously been shown to stimulate the development of certain ascomycete 

fungi (Wicklow 1975). In contrast, mycorrhizal fungi may decline immediately following fires 

due to the absence of the appropriate host plants (Chen and Cairney 2002). Because soil 

microbial communities are influenced by plant community composition, microbial community 

composition likely shifts throughout forest secondary succession as the dominant plant species 

change. Overall, the timescale of microbial biomass and community composition changes 

following boreal wildfires is poorly resolved.  

In this study we characterized the short- and long-term response of soil fungal 

communities to boreal wildfires. We used a fire chronosequence in boreal forests of interior 

Alaska to test the hypothesis that post-fire changes in microbial abundance and community 

composition constrain decomposition in post-fire soils (sensu Waldrop and Harden 2008). We 

predicted that fires would reduce soil fungal abundance and alter fungal community composition. 

Furthermore, we expected that post-fire reductions in fungal abundance would decrease litter 

decay rates following wildfires. Finally, we predicted that fungal responses to fire would be 

transient and would persist until aboveground plant biomass recovered. We chose to focus 

primarily on soil fungi because of their high abundance in boreal forest soils and because of their 
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central role in the decomposition of recalcitrant C compounds in soil. 

 

Methods 

Study sites 

This study was conducted in the Donnelly Flats area located near Delta Junction in 

interior Alaska. We sampled from boreal forest stands that burned in severe fires during the 

summers of 2010, 2004, 1999, 1987, and 1956 (Figure S1.1). All fires were stand replacing and 

personal observations of white-ash deposits following the 2010 and 1999 fires indicate high burn 

temperatures at the soil surface. We also sampled from two control sites that were ~90 and ~100 

years post fire. Burned sites were separated from control sites by at least several hundred meters. 

Control sites were selected to have similar plant species composition and tree density to that of 

the burned sites and their ages were determined through tree coring and historical fire records. 

For simplicity, we refer to the time since fire for each site in 2011 even though some 

observations were made in 2010 and the figures reflect the actual time at observation. Sites were 

chosen to have similar climate, potential biota, topography, and parent material, in order to 

isolate the effects of fire on these ecosystems. Portions of this chronosequence have been used to 

assess the effects of fire on plant productivity (Mack et al. 2008), soil CO2 fluxes (O'Neill et al. 

2003), and mycorrhizal fungi (Treseder et al. 2004).  

Plant communities along the chronosequence represent several stages of secondary 

succession (Table 1.1). Soils are Inceptisols and the local climate is cold and dry with a mean 

annual precipitation rate of 303 mm yr-1 and a mean annual temperature of 2 °C 

(http://weather.noaa.gov/). The growing season extends from bud-break in mid-May to leaf 
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senescence in mid-September. Permafrost is discontinuous in the region and is not present at 

these sites.  

 

Soil sampling 

 We collected soils during the growing season of 2010 and 2011. Specific sample dates 

were: 8 July, and 10 September 2010; 14 May, 04 July, and 05 September 2011. During 2010 we 

selected 6 random locations per site and compiled four soil cores per location. Random sampling 

locations were separated by at least 10m. Soil cores were 10 cm deep by 5 cm in diameter. Soils 

collected in 2010 were used for soil biogeochemistry and fungal community analyses. We 

followed a similar sampling design in 2011, except that soil cores were separated by soil horizon 

for all analyses. We sampled the entirety of the organic horizon at each site and mineral soil was 

sampled to a depth of 5 cm. Organic horizon depth was variable across sites, ranging from ~5 cm 

at control sites to < 1 cm at recently burned sites (Table S1.1). Soils collected in 2011 were used 

for fungal hyphal length and enzyme analyses. Following collection, soils were placed on ice and 

transported to UC Irvine (Irvine, CA, USA) within 24 hours of sampling. Soils were hand-

homogenized and stored at either 4 °C (fungal hyphal length and soil biogeochemistry) or -80 °C 

(fungal community analyses and enzyme assays).  

 

Soil biogeochemistry 

 Soil biogeochemical measurements were made on soils collected in 2010. Moisture 

content was determined by drying soils to 65 °C for 48 hours. Soil C and N concentrations were 

measured by combustion on an elemental analyzer (Flash EA 1112, Thermo Scientific, Waltham, 

MA). Soil NH4
+-N and NO3

--N were extracted from a 5 g soil subsample with 50 ml 2 M KCl for 
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1 hour. We measured NH4
+-N concentrations using a modified Berthelot-salicylate method 

(Weatherburn 1967) and NO3
--N concentrations with the vanadium method of Doane and 

Horwath (2003). A subsample of soil was processed to determine soil pH with a 1:2 ratio (w/v) 

of soil to DI H20. 

 

Fungal community structure 

 Soils for fungal community analysis were collected in July and September 2010. Due to 

restrictions in access we were only able to sample from the 55-year burn in July 2010. Soil 

samples from a particular site and sampling date were pooled into a single composite sample and 

stored at -80 °C. DNA was extracted from a 0.25 g subsample of each composite soil sample 

using the Powersoil DNA extraction kit (MoBio, Carlsbad, CA, USA). Three DNA extractions 

from each sample were pooled to obtain a better representation of the fungal community 

(Feinstein et al. 2009) and DNA concentrations were standardized to 10 ng/µl before PCR 

amplification. 

General fungal primers targeting the fungal 18S rRNA gene (Borneman and Hartin 2000) 

were modified and implemented to amplify the fungal community using a barcoded 

pyrosequencing procedure described previously (Rousk et al. 2010, McGuire et al. 2012). The 

forward primer consisted of the 454 Life Sciences Primer B attached to the SSU817f primer with 

an “AG” linker sequence (GCCTTGCCAGCCCGCTCAGAGTTAGCATGGAATA ATRR-

AATAGGA). The reverse primer contained the 454 Life Sciences Primer A, a unique 12 base-

code barcode for each PCR product, with an “AC” sequence linking it to the SSU1196r primer 

(GCCTCCCTCGCGCCATC AG-12 bp barcode ACTCTGGACCTGGTGAGTTTCC). The 12-

bp bar code allowed us to pool together all of the amplicons for sequencing with sequences 
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ultimately assigned to individual samples. Each reaction was performed in triplicate and 

contained: 2 µl of DNA template, 1 µl of BSA, 0.75 µl each primer, and 22.5 µl of Platinum 

PCR Supermix (Invitrogen, Carlsbad, CA). The reaction ran for 30 cycles of 94°C for 45 

seconds, 52°C for 30 seconds, and 72°C for 90 seconds with a hot start at 94°C for 10 minutes 

and final extension step at 72°C for 10 minutes. Triplicate PCR products were combined and 

purified using a MoBio UltraClean-htp PCR Clean-up kit to remove primer dimers and 

quantitated via fluorescence with a Qubit fluorometer. Samples were then pooled in equal 

amounts into one sample for 454 Pyroseqeuncing and concentrated using a Purelink PCR 

Purification Kit (Invitrogen, Carlsbad, CA). The pooled fungal amplicons were sequenced on a 

Roche 454 Gene Sequencer at the Environmental Genomics Core Facility at the University of 

South Carolina (Columbia, SC, USA).  

 Following pyrosequencing, sequences were processed through the Quantitative Insights 

Into Microbial Ecology (QIIME) pipeline (Caporaso et al. 2010). In QIIME, sequences were 

quality checked, aligned, and clustered into operational taxonomic units (OTUs) at a 97% 

sequence similarity cutoff. One representative sequence from each OTU was chosen, and the 

closest taxonomic identity for each representative sequence was determined by BLAST 

comparison against sequences contained within the SILVA database (Pruesse et al. 2007) and 

GenBank. Furthermore, OTUs were assigned to functional groups (e.g. mycorrhizal, 

saprotrophic, pathogen, etc.) using the BLASTn algorithm against known AFTOL sequences 

(Lutzoni et al. 2004) in GenBank. We placed OTUs in a given function group if the 

representative sequence was > 97% similar to sequences from the AFTOL database. OTUs that 

could not be reliably placed into a single functional group were listed as unknown functional 



 14 

groups. All sequences were deposited in the GenBank sequence read archive with the accession 

number SRA046762.1. 

 

Fungal hyphal length and soil microbial biomass 

 As a metric for total soil fungal abundance, we measured the length of fungal hyphae in 

soil. Fungal hyphal lengths were determined for each 2011 sampling date using a modified 

procedure from Sylvia (1992) and Brundrett and others (1994). Briefly, 5 g organic soil or 10 g 

mineral soil (wet weight) were extracted with a 1.5 M solution of sodium hexametaphosphate. 

This soil solution was passed through a 0.2 µm nylon filter and hyphae were collected on the 

filter. The filter was stained with acid fuchsin, mounted on a glass slide with polyvinyl lactic acid 

(PVLG) slide mounting medium, and dried at 60 °C overnight. We measured hyphal length at 

200x using a gridline intersect method (Brundrett et al. 1994) on a Nikon phase-contrast 

microscope (Nikon Eclipse e400, AG Heinze, Lake Forest, CA, USA). Actual numbers of 

samples analyzed were lower than the number of samples collected when some samples were 

discarded owing to difficulty viewing hyphae because of obstruction by organic matter. We 

measured soil bulk density at each site and in each horizon in May 2011 and used soil bulk 

density values to adjust results to an area basis (Table S1.1). In addition, we measured soil 

microbial biomass C on organic soils from the July 2011 collection using the chloroform 

fumigation-direct extraction technique (Vance et al. 1987). We used a fumigation-extraction 

efficiency of 0.45 to calculate microbial biomass C.  

 

Extracellular enzyme activities 
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 We assayed the potential activities of 6 hydrolytic extracellular enzymes involved in C 

and nutrient cycling using the microplate fluorometric protocol of Saiya-Cork et al. (2002) with 

modifications by German and others (2011). We measured the activities of: α-glucosidase (AG, a 

starch degrading enzyme), β-glucosidase (BG, which hydrolyzes cellobiose into glucose), β-

xylosidase (BX, which degrades the xylose component of hemicellulose), cellobiohydrolase 

(CBH, an exocellulase), N-acetyl-glucosaminidase (NAG, which breaks down chitin), and acid 

phosphatase (AP, which mineralizes organic phosphorus into phosphate). 

Potential enzyme activities were measured on organic soil samples collected from each 

site in July 2011. Soils were frozen at -80 °C following collection and were processed for 

enzymatic activity within one month of collection. Freezing may affect the activity level of 

certain extracellular enzymes (DeForest 2009). However, because all samples were frozen in a 

similar manner, freezing likely did not alter our ability to compare activity levels across sites. In 

brief, 1 g organic soil (wet weight) was homogenized in 125 ml sodium acetate buffer (pH 5.0) 

using a hand blender. Two hundred µl of this soil homogenate were combined with 50 µl 

fluorometric substrate solution in a microplate well and incubated for 1 hour at 10 °C. After 

incubation, 10 µl of 1M NaOH was added to each well of the microplate to terminate enzyme 

activity. Following termination of each reaction, we used a fluorometer set at 365 nm excitation 

and 450 nm emission to measure fluorescence. The assay of each enzyme was replicated 8 times 

per microplate, and each microplate included a standard curve of the product (4-

methylumbelliferone, MUB), substrate controls, and homogenate controls. Enzymatic activity 

(nmol product released h-1 g-1 dry soil) was calculated from the MUB standard curve following 

German et al. (2011). 
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Litterbag decomposition experiment 

 To assay microbial activity at each chronosequence site, we conducted a litterbag 

decomposition experiment. Senescent litter from black spruce (Picea mariana (P. Mill) B.S.P) 

and aspen (Populus tremuloides Michx.) was collected in July 2010. These are two of the 

dominant tree species in the region and are present at each study site. Spruce litter was collected 

from the 90-year control site and aspen litter was collected from the 24-year burn site. Litters 

were air-dried to constant mass and then placed into litterbags (10 cm x 10 cm) constructed of 1 

mm fiberglass mesh and reinforced with 0.2 mm nylon. Each litterbag received 2.0 g of air-dried 

litter. Litterbags were deployed in September 2010 and incubated for one year in the field. Due 

to restrictions in site access, we were unable to deploy litterbags at the 55-year burn. Litterbags 

of each litter type were replicated 5 times for a total of 60 litterbags (6 sites x 2 litter types x 5 

replicates). After one year of decomposition, litterbags were harvested and oven-dried at 60 °C to 

constant mass. Mass loss was determined as the difference between initial dry weight and final 

dry weight of litter.  

 

 Statistics 

To examine changes in soil biogeochemical variables and potential enzyme activity 

across the chronosequence, we conducted analysis of variance (ANOVA) with the time since fire 

as the independent variable. Values for soil percent C, NH4
+-N, NO3

--N, and activity values for 

AG, BG, BX, CBH, NAG, and AP were log-transformed prior to ANOVA to improve normality 

and homogeneity of variance. We were unable to transform hyphal length data sufficiently to 

meet assumptions of ANOVA, so hyphal length analyses were performed on ranked data using 

Kruskal-Wallis nonparametric tests (Sokal and Rohlf 1995). Comparisons among means were 
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analyzed by Tukey HSD post-hoc contrasts. In all cases, because our chronosequence contained 

only a single site from each stand age, the experimental units were soil cores from within a given 

chronosequence site. Error terms thus represent within site variation. Additionally, because we 

did not return to the same exact sampling locations at each sampling date, separate statistical 

tests were performed for each date. We used regressions to test for a relationship between litter 

mass loss and the time since fire and between extracellular enzyme activity and fungal hyphal 

length. Differences are reported as significant when P < 0.05. All data were analyzed using JMP 

statistical software (JMP v. 8.0, SAS Institute, Inc, 2009). 

To determine the relationship between fungal community composition and the time since 

fire we employed a PerMANOVA using the Adonis function in the Vegan package of R 

(Oksanen et al. 2009). In this model we also included dominant vegetation type (i.e., herbaceous, 

deciduous trees, evergreen trees), sampling date, and soil biogeochemical variables. In addition, 

observed number of fungal OTUs, Chao1 estimates of OTU richness, and Shannon diversity 

index were computer for each site and sampling date in QIIME. Chao1 values estimate actual 

rather than observed OTU richness of microbial communities (Hughes et al. 2001). The Shannon 

index of diversity accounts for evenness as well as richness of each community (Magurran 

1988). For fungal community analyses, the experimental unit was a single composite soil core 

from each chronosequence site. Diversity indices were compared statistically by averaging the 

July 2010 and September 2010 values and using ANOVA. We used regressions to test for a 

relationship between the relative abundance of fungal taxa or functional groups and the time 

since fire. Relative abundance data were calculated from OTU assignments to either fungal taxa 

or functional groups. Nonmetric multidimensional scaling plots were used to visualize similarity 

in fungal community composition across sites (McCune and Mefford 2006).  
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Results 

Soil biogeochemistry 

 Wildfire had a negligible short-term effect on soil biogeochemistry. In contrast, fire had 

significant long-term impacts on soil biogeochemical parameters (Table S1.2). For example, soil 

moisture was significantly lower in intermediate aged sites (7, 12, and 24-year burns) but soil 

moisture did not differ between the control sites and the 1-year burn. Percent soil C was not 

affected by fire 1 and 3 months following fire, but decreased 7, 12, and 24 years post fire. 

Changes in soil nutrient availability following fire were variable. Soil NO3
- did not differ 

between the 1-year burn site and the control sites in either July or September 2010, but NO3
- was 

significantly lower in intermediate aged sites. In September 2010, soil NH4
+ was highest in the 1-

year burn and lowest in the 6-year burn. There were no significant differences in soil pH across 

sites (Table S1.2).  

 

Fungal community analyses 

 Pyrosequencing yielded a total of 32,448 fungal sequences with an average of 2,496 

sequences analyzed per study site for each sampling date. Rarified data showed that the total 

number of fungal OTUs did not differ significantly across sites (F = 1.927, P = 0.222), nor did 

Chao1 estimates of OTU richness (F = 0.960, P = 0.519; Table 1.2). However, the Shannon 

diversity index differed significantly across sites (F = 10.696, P = 0.008), with the 90-year 

control stand harboring the least diverse soil fungal community (Table 1.2).   

 Soil fungal communities varied significantly with the time since fire (PerMANOVA: r2 = 

0.231 P = 0.001; Figure 1.1, Table S1.3). Differences in community composition across sites 
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were primarily driven by changes in the abundance of ascomycete and basidiomycete fungi. The 

relative abundance of ascomycete fungi significantly decreased with the time since fire during 

the September 2010 sampling (r2 = 0.714, P = 0.034), while basidiomycete relative abundance 

increased with stand age in the July (r2 = 0.613, P = 0.037;) and September 2010 samplings (r2 = 

0.684, P = 0.042; Figure 1.2A). The most abundant taxa at the control sites belonged to the 

ectomycorrhizal genus Cortinarius and the most abundant taxa at the 2010 burn site belonged to 

the ascomycete genus Ascocryne. Decreases in the relative abundance of basidiomycete fungi 

following fire were likely attributable to declines in ectomycorrhizal fungi. The relative 

abundance of ectomycorrhizal fungi (based on OTU assignments to functional groups) increased 

significantly with the time since fire in the July (r2 = 0.578, P = 0.047) and September 2010 

samplings (r2 = 0.739, P = 0.028; Figure 1.2B). In contrast, the relative abundance of 

saprotrophic basidiomycetes did not change with stand age at either sampling date (July: r2 = 

0.0004, P = 0.962; September: r2 = 0.008, P = 0.865; data not shown). The community 

composition of soil fungi was also affected by the dominant plant species and soil percent C 

(Table S1.3). There was no overall effect of sampling date on fungal community composition 

(Table S1.3).  

 

Fungal abundance and soil microbial biomass 

 Fungal hyphal length in the organic horizon varied significantly across sites at each 

sampling date in 2011 (P = 0.0001 for each sampling date; Figure 1.3). In general there were 

similar patterns in fungal abundance across all three sampling dates. Recently burned sites (1-12 

years post fire) had significantly lower soil fungal abundance than older sites, and hyphal lengths 

increased dramatically between 12 and 24 years post fire (Figure 1.3). Hyphal length in the 
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organic horizon significantly decreased between the 90 and 100-year old site in May 2011 (P = 

0.05). There were similar but non-significant declines in July and September 2011.  

 Fungal abundance in the mineral horizon was less variable across sites. Hyphal lengths in 

the mineral horizon differed significantly across sites in July and September 2011 (P (July) = 

0.013, P (September) = 0.0004), but the magnitude of the difference was smaller than differences 

in the organic horizon (Figure 1.3). In the mineral horizon, the 24, 55, and 90-year old sites 

tended to have higher fungal abundance than the other chronosequence sites. This trend is 

broadly consistent with the pattern observed in the organic horizon. There was no significant 

difference in fungal abundance in the mineral horizon across sites in May 2011 (P = 0.173, 

Figure 1.3). 

 Soil microbial biomass C differed significantly across sites in July 2011 (P = 0.0049, 

Figure 1.4). Microbial biomass C at the 1 and 7-year burn sites was significantly lower than 

microbial biomass at the 55, 90, and 100-year burn sites.  

 

Extracellular enzyme activities 

 Extracellular enzyme activities varied significantly with the time since fire (P < 0.0001 

for each enzyme, Table 1.3). Across all measured enzymes, fire reduced potential enzymatic 

activity (Table 1.3). The negative effect of fire on enzyme activity persisted for 7-12 years and 

activity values were highest in the 90-year old control site for all measured enzymes. Carbon 

targeting enzymes (α-glucosidase, β-glucosidase, β-xylosidase, cellobiohydrolase), N-targeting 

N-acetyl-glucosaminidase, and P-targeting acid phosphatase exhibited similar responses to fire. 

For each measured enzyme, fungal hyphal length explained a significant proportion of the 

variation in enzyme activity values but the relationship was logarithmic (Table S1.4). 
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Litter mass loss 

 The percent mass loss of aspen and spruce litter increased significantly with the time 

since fire (Aspen: r2 = 0.691, P < 0.001, Black spruce: r2 = 0.612, P < 0.001; Figure 1.5). 

Decomposition constants (k) for black spruce litter ranged from 0.187 at recently burned sites to 

0.360 at the 90-year control site (Table S1.5). Litter decomposing in older forest stands lost 11-

18 % more mass than litter decomposing at recently burned sites. We observed similar mass loss 

patterns for both aspen and black spruce litter across sites.   

 

Discussion 

 In this study, we characterized the response of soil fungal communities and soil C 

dynamics to wildfires in boreal forests. Our results indicated that boreal wildfires had short- and 

long-term effects on soil fungal communities, extracellular enzyme activities, and litter 

decomposition rates. Within one year following a severe wildfire, we observed a significant 

reduction in fungal hyphal length in the organic horizon (Figure 1.3). Declines in fungal 

abundance per unit ground area in the organic horizon likely resulted from several interacting 

factors. First, combustion of the uppermost layer of the organic horizon during fires resulted in a 

shallower organic horizon (Table S1.1). In addition, post-fire reductions in fungal hyphal length 

may be attributable to heat-caused mortality of soil fungi. Both laboratory and field studies have 

indicated that fatal temperatures for microbes can be less than 100 °C (DeBano et al. 1998), 

which is well below the surface temperatures achieved during many fires (Hernandez et al. 1997, 

Neary et al. 1999). Furthermore, post-fire reductions in net primary productivity (NPP) and root 

exudation following fires can decrease the input of labile C to soils, and this may in turn cause 
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fungi to be C limited (Choromanska and DeLuca 2001). Finally, decreases in fungal biomass 

following fires may be mediated by post-fire changes in soil moisture, soil nutrients, and pH 

(Smith et al. 2008, Capogna et al. 2009, Bárcenas-Moreno et al. 2011). Fungal hyphal length in 

the mineral horizon was substantially lower than in the organic horizon and did not show a 

strong response to fire (Figure 1.3). Mineral soils were likely buffered from temperature changes 

during the fire and post-fire changes in soil C and nutrients were primarily restricted to the 

organic horizon.  

 We initially predicted that the effect of fire on soil fungal communities would persist 

until aboveground plant communities recovered. Although the effect of fire on fungal 

communities was transient, soil fungal recovery lagged behind aboveground plant recovery. 

Previous work along this chronosequence found that plant biomass and productivity can recover 

in as little as four years following a fire (Mack et al. 2008). In contrast, fungal hyphal length 

required at least 24 years to return to pre-fire levels (Figure 1.3). Although aboveground NPP 

can recover quickly, soil organic matter accumulates slowly over time as C inputs from NPP 

outweigh C losses from decomposition. Treseder and others (2004) found that soil organic matter 

at these sites increased with the time since fire and required more than 15 years to return to pre-

fire levels. Taken together, these findings suggest that the recovery of soil hyphal abundance 

following wildfires is more strongly related to the recovery of soil organic matter than to the 

recovery of aboveground plant communities.   

In addition to reducing fungal biomass, wildfires also altered the composition of soil 

fungal communities (Figures 1.1 & 1.2). High-resolution studies of the entire soil fungal 

community following boreal fires are rare, but community fingerprinting techniques have 

previously documented broad changes in fungal community composition in response to fires 
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(Bååth et al. 1995, Waldrop and Harden 2008). However, these studies have been unable to 

identify which fungal taxa were positively or negatively affected by fire. We found strong 

differences in soil fungal communities that corresponded to the time since fire. Ascomycete 

fungi were abundant one month following fire and early in forest succession. Previous surveys of 

aboveground fungal fruiting bodies following fires have reported post-fire fruiting of 

ascomycetes (Peterson 1970, Wicklow 1973, 1975, Chen and Cairney 2002, Fujimura et al. 

2005). Our sequence data provide additional molecular evidence for this commonly observed 

pattern.  

In contrast, basidiomycetes were relatively scarce in the first years following fire and 

increased in abundance during secondary succession. We compared fungal OTUs from our study 

to known sequences in the AFTOL database and assigned functional groups to these OTUs if the 

representative sequence was > 97% similar to sequences from the AFTOL database. Based on 

functional group assignments, our data suggest that declines in basidiomycetes following fires 

were likely driven by decreases in the abundance of ectomycorrhizal fungi following fire and 

during early succession (Figure 1.2B). However, it is important to note that ~25% of OTUs in 

our study could not reliably be placed in a single functional group, either because they did not 

closely match an AFTOL sequence or because they matched a fungal species with an unresolved 

function. In particular, certain ascomycete fungi that are common following fire (e.g. Pezizales) 

may be facultatively mycorrhizal (Dahlstrom et al. 2000, Fujimura et al. 2005) and could not be 

assigned to a single functional group. Results from previous studies lend support to our finding 

that ectomycorrhizal fungi decline following fires. For example, fire has previously been shown 

to decrease the abundance of ectomycorrhizal fungi in boreal forests (Treseder et al. 2004) and to 

alter the composition of ectomycorrhizal fungi in pine forests (Taylor and Bruns 1999). 
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Ectomycorrhizal fungi may decline following fires because they lack heat resistant propagules in 

soil or due to the lack of appropriate host plants.  

Although the time since fire explained the largest proportion of the variation in fungal 

community composition across sites, the dominant plant species and percent soil C were also 

important for structuring soil fungal communities (Table S1.3). These factors have previously 

been shown to influence soil microbial communities (Kivlin et al. 2011, Barham et al. 2012). 

However, because the dominant plant species and percent soil C are correlated with the time 

since fire, it is difficult to discern their individual effects on fungal community structure 

separately from the effect of fire.  

 Changes in extracellular enzyme activities across the fire chronosequence were consistent 

with changes in fungal abundance. For each measured enzyme, fungal hyphal length explained a 

significant proportion of the variation in enzyme activity (Table S1.4). This finding is intuitive, 

since extracellular enzyme assays reflect the total pool size of a particular enzyme in soil, and 

enzyme pool sizes should be related to soil microbial biomass. Our finding that enzyme activity 

decreases following fires is consistent with previous work (Boerner et al. 2008, Artz et al. 2009, 

Gutknecht et al. 2010). Given that extracellular enzymes are the proximate agents of 

decomposition in soil (Burns and Dick 2002), changes in enzyme pool sizes may affect litter 

decay rates and soil C dynamics.  

 To determine how post-fire changes in soil fungal abundance and enzyme activity affect 

soil C dynamics, we measured litter decay rates across the chronosequence. In support of the 

prediction that post-fire changes in soil fungal communities influence litter decay, the 

decomposition rate of aspen and spruce litter significantly increased with the time since fire 

(Figure 1.5) and changes in litter decomposition mirrored patterns in fungal abundance and 
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extracellular enzyme activity. Fire has previously been shown to decrease litter decay rates 

(Pietikainen and Fritze 1993, Brennan et al. 2009, Williams et al. 2012), but the majority of 

previous studies have not made a link between changes in litter decay and changes in the soil 

fungal community. Our finding that boreal wildfires slow microbial-mediated litter 

decomposition is also in agreement with ecosystem-level studies that have estimated 

heterotrophic respiration following wildfires and found post-fire decreases in heterotrophic 

respiration (Czimczik et al. 2006, Amiro et al. 2010). The differences in litter decay rates across 

sites were smaller in magnitude than the differences in fungal abundance and enzyme activity. 

This discrepancy is potentially due to the fact that post-fire increases in soil temperature create a 

more favorable abiotic environment for decomposition, which may partially offset the negative 

effect of post-fire reductions in microbial abundance and activity.  

 The results of our study should be extrapolated with caution. Because this was an 

observational study, we depend on the assumptions of the chronosequence approach to make 

inferences about time (Walker et al. 2010). The chronosequence we used is not replicated in 

space and thus we were unable to control for site-specific effects in our study. Although we took 

great care to minimize differences among sites other than the time since fire, it is possible that 

additional unmeasured factors may have contributed to the patterns we observed in this study. 

We were also unable to incorporate microbial responses to changes in burn severity or burn 

frequency, both of which are likely change with climate warming and to affect soil microbial 

communities. Furthermore, in the present study we measured hydrolytic enzymes but did not 

characterize the activity of oxidative soil enzymes that control the degradation of more 

recalcitrant C compounds (e.g. lignin). Finally, most microbial responses in this study were 
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measured over the course of a single year and it is possible that inter-annual variation in 

environmental factors may modify microbial responses to fire.  

 Overall, our findings indicate that fires reduce soil fungal abundance and alter fungal 

community composition. Soil fungal abundance required at least 24 years to return to pre-fire 

levels and did not recover as quickly as plant biomass. Post-fire reductions in fungal biomass 

corresponded to reductions in extracellular enzyme pools and slower rates of litter 

decomposition. These results challenge the conventional hypothesis that microbial activity 

increases following fires due to increases in soil temperature. Instead, our findings support the 

hypothesis that there is a microbial limitation to decomposition in post-fire soils (Waldrop and 

Harden 2008). Thus, wildfires in boreal forests may lead to decreased heterotrophic respiration 

1–12 years following fires, resulting in lower soil CO2 emissions, and constituting a negative 

feedback to climate warming. These data may be useful for revising coupled wildfire-C cycle 

models to increase their predictive power.  
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Tables 

Table 1.1. Study sites and conditions during summer 2011. 
 

 

 

 

 

 

 

 

 

Time 
since fire 
(years) Location Conditions in summer 2011 

1 N 64° 20.095’ 
W 145° 41.290’ 

Rapidly developing herbaceous vegetation and deciduous shrubs 
with a charred moss layer. Almost all of the black spruce and 
white spruce trees killed in the 2010 fire were still standing.  

7 N 64° 21.031’ 
W 145° 38.301’ 

Groundcover dominated by regenetrating aspens and other 
deciduous trees, evergreen and deciduous shrubs, herbaceous 
perennials, and resprouting black spruce. Almost all of the 
black spruce and white spruce trees killed in the 2004 fire 
were still standing. 

12 N 63° 55.302’ 
W 145° 45.032’ 

Similar conditions to stand age 7, with greater biomass of 
deciduous trees. Almost all of the black spruce trees killed in 
the 1999 fire were still standing.  

24 N 63° 55.481’ 
W 145° 21.468’ 

Aspen stand with resprouting black spruce saplings.  Near 
continuous understory cover of graminoids, forbs, and 
deciduous shrubs. Feathermoss is resprouting but not 
dominant. Most black spruce trees killed by the 1987 fire had 
fallen prior to 2011. 

55 N 63° 55.481’ 
W 145° 21.468’ 

Dense black spruce and aspen stand, with aspen mortality and 
thinning. Nearly 100% feathermoss groundcover. Understory 
is dominated by deciduous shrubs, forbs and graminoids. 

90 N 63° 56.682’ 
W 145° 36.162’ 

Dense black spruce stand with groundcover dominance split 
between feathermoss and lichen. Understory is dominated by 
deciduous shrubs, forbs and graminoids. 

100 N 64° 20.500’ 
W 145° 49.301’ 

Moderately dense black spruce and white spruce stand with 
nearly 100% feathermoss groundcover. Understory is 
dominated by deciduous shrubs, forbs and graminoids. 
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Table 1.2. Observed number of OTUs (operational taxonomic units), Chao1 estimates of OTU 
richness, and Shannon diversity index at 97% sequence similarity. The experimental unit was a 
single composite soil core from each chronosequence site. Data are reported as the mean of the 
July and September 2010 sampling dates. The error term (±1 SE) thus represents variation 
between these two sampling dates. Different letters indicate significant differences between sites 
(P < 0.05). The Shannon index was the only metric that differed across sites.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Time since fire 
(years) OTUs Chao1 Shannon Index 

0.17 121.2 (24.2) 212.2 (46.3) 4.2 (0.1)a 

6 142.1 (1.3) 247.2 (11.7) 4.8 (0.1)a 

11 134.3 (14.8) 277.0 (58.0) 4.3 (0.1)a 

23 117.6 (6.2) 226.0 (8.3) 4.2 (0.0)a 

54 108.2 230.0 3.9ab 

90 99.8 (1.5) 178.8 (12.6) 2.4 (0.3)b 

100 122.3 (18.9) 256.1 (21.6) 2.8 (0.6)ab 
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Table 1.3. Extracellular enzyme activities (nmol h-1 g-1 dry soil) of carbon targeting enzymes (α-
glucosidase, β-glucosidase, β-xylosidase, cellobiohydrolase), N-targeting N-acetyl-
glucosaminidase, and P-targeting acid phosphatase. The experimental units were soil samples 
from a given site and values represent site means. The error term (±1 SE) thus represent within 
site variation in enzyme activities for n = 6 soil samples. Different letters indicate significant 
differences between sites at P = 0.05. 
 

Time 
since fire 
(years) 

α-glucosidase β-glucosidase β-xylosidase Cello-
biohydrolase 

N-acetyl-
glucosaminidase 

Acid 
Phosphatase 

1 33.5 (6.5)ab 604.4 (98.9)bc 86.4 (11.9)b 74.4 (19.6)bc 955.9 (323.6)a 1725.4 (387)a 

7 20.2 (3.6)a 236.4 (72.8)a 24.0 (7.8)a 38.2 (13.4)a 191.7 (40.8)a 797.2 (105)a 

12 22.5 (3.0)a 520.1 (77.1)b 105.4 (20.3)b 84.4 (24.4)bcd 201.3 (23.7)a 2218.4 (238)a 

24 32.0 (6.2)ab 961.8 (145.5)bcd 82.9 (8.7)b 77.6 (19.4)bc 677.6 (126.9)a 1837.4 (398)a 

55 64.5 (12.1)bc 969.2 (200.6)bcd 103.4 (25.0)b 102.9 (13.2)cd 1232.8 (369.3)a 5031.5 (556)b 

90 182.3 (17.1)d 2017.4 (209.4)d 271.7 (41.3)c 277.4 (61.2)d 3561.5 (627.9)b 8411.2 (664)c 

100 110.5 (37.7)cd 1403.3 (314)cd 176.7 (21.3)bc 190.2 (46.7)cd 2704.8 (328.8)b 5028.7 (904)b 
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Figures 

 
 
Figure 1.1. Nonmetric multidimensional scaling (NMS) plot showing compositional differences 
in fungal communities by the time since fire. Fungal communities differed significantly with the 
time since fire (r2 = 0.231 P = 0.001). Experimental units and error terms are as in Table 1.2. 
Numbers adjacent to symbols indicate the time since fire (years). The final stress was 3.94 after 
65 iterations. 
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Figure 1.2. (A) The relative abundance of ascomycete (triangles) and basidiomycete (circles) 
fungi as a function of the time since fire in September 2010. Lines are the best-fit regressions. 
Basidiomycete abundance increased with stand age (solid, Basidio Abundance = 0.24 + 0.11 * 
log (time), r2 = 0.684, P = 0.042) while ascomycete abundance decreased with stand age 
(dashed, Asco Abundance = 0.61 - 0.005 * time, r2 = 0.714, P = 0.034). (B) The relative 
abundance of ectomycorrhizal fungi as a function of the time since fire. Open squares represent 
samples from July 2010 and closed squares correspond to samples collected in September 2010. 
Lines are the best-fit regressions. The relative abundance of ectomycorrhizal fungi increased 
significantly with the time since fire in July 2010 (dashed, Ecto Abundance = 0.19 + 0.03 * log 
(time), r2 = 0.578, P = 0.047) and September 2010 (solid, Ecto Abundance = 0.15 + 0.04 * log 
(time), r2 = 0.739, P = 0.028). Experimental units are as in Table 1.2.  
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Figure 1.3. Fungal hyphal length in the organic (gray squares) and mineral (black triangles) soil 
horizons in relation to the time since fire. The experimental units were soil samples from a given 
site and symbols represent site mean values. Error bars (±1 SE) thus represent within site 
variation in hyphal length for n = 3-6 soil samples. Different letters indicate significant 
differences between sites at P = 0.05, uppercase letters represent organic horizons and lowercase 
letters represent mineral horizons. Hyphal length in the organic horizon differed across sites at 
each 2011 sampling date (P = 0.0001) and in the mineral horizon in July (P = 0.013) and 
September 2011 (P = 0.0004).  
 



 33 

 

 
 
 
Figure 1.4. Soil microbial biomass C in the organic horizon as a function of the time since fire 
for the July 2011 sampling date.  The experimental units were soil samples from a given site and 
symbols represent site mean values. Error bars (±1 SE) thus represent within site variation in 
microbial biomass for n = 6 soil samples. Soil microbial biomass differed significantly across 
sites (P = 0.0049). Microbial biomass C at the 1 and 7-year burn sites was significantly lower 
than microbial biomass at the 55, 90, and 100-year burn sites. 
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Figure 1.5. Percent mass loss of aspen (open circles) and black spruce (black triangles) litter 
after one year of incubation as a function of the time since fire. The experimental units were 
litterbags from a given site and symbols represent site mean values. Error bars (±1 SE) thus 
represent within site variation in mass loss for n = 5 litterbags per litter type. Lines are the best-
fit regressions for aspen mass loss (dashed, mass loss = 19.52 + .17 * time, r2 = 0.691, P < 
0.001) and spruce mass loss (solid, mass loss = 18.50 + .12 * time, r2 = 0.612, P < 0.001). The 
mass loss of aspen and spruce litter increased significantly with the time since fire.  
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Supplemental Tables 

Table S1.1. Soil bulk density and organic horizon depth values that were used to scale fungal 
hyphal length measurements to an area basis.  
 
 

 

 

 

 

 

 

 

 

 

Time since fire 
(years) Soil horizon 

Bulk density 
(g/cm3) 

Organic horizon 
depth (cm) 

1 Organic 0.10 1.06 

 Mineral 0.50  

7 Organic 0.39 0.81 

 Mineral 0.51  

12 Organic 0.40 1.43 

 Mineral 0.50  

24 Organic 0.41 3.36 

 Mineral 0.56  

55 Organic 0.35 4.25 

 Mineral 0.51  

90 Organic 0.29 4.56 

 Mineral 0.50  

100 Organic 0.29 4.38 

 Mineral 0.51  
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Table S1.2 Soil biogeochemical parameters. Values are means ±1 SE, n = 6 and different letters 
indicate significant differences between sites at P = 0.05. Soil samples were collected in 2010 
from the top 10 cm of soil. P-value refers to the P-values from a one-way ANOVA with time 
since fire as the independent variable and soil biogeochemical parameters as the dependent 
variables.  

 
 

 

 

 

 

 
 

 
Time Since Fire (years) 

 

  
0.17 6 11 23 54 90 100 

P-
value 

 
July 2010         

Moisture content 
(%) 

45 ± 
4.0abc 

34 ± 
2.0ab 

33 ± 
2.0a 

34 ± 
3.0a 48 ± 2.0c 49 ± 6.0c 47 ± 

1.0bc 0.0001 

C (%) 25.3 ± 
1.0a 

8.2 ± 
1.2c 

12.9 ± 
2.1b 

12.9 ± 
5.2b 

15.8 ± 
2.3ab 

22.8 ± 
3.3ab 

23.6 ± 
3.9a 0.0001 

N (%) 0.88 ± 
0.1b 

0.34 ± 
0.1c 

0.59 ± 
0.1bc 

0.72 ± 
0.1bc 

0.66 
±0.1bc 

0.78 ± 
0.2b 

1.39 ± 
0.1a 0.0001 

NH4
+

 
(ug NH4-N g-1 soil) 

29.9 ± 
6.62a 

1.01 ± 
0.29d 

1.21 ± 
0.23d 

2.17 
±0.13cd 

9.86 ± 
2.06b 

3.18 ± 
1.15c 

46.8 ± 
7.79a 0.0001 

NO3
-
  

(ug NO3-N g-1 soil) 
1.94 ± 
0.20ab 

0.39 ± 
0.01d 

0.42 ± 
0.09d 

0.59 ± 
0.07cd 

1.75 ± 
0.29a 

1.10 ± 
0.16bc 

2.38 ± 
0.40a 0.0001 

 
September 2010         

Moisture content 
(%) 

52 ± 
6.0ab 

41 ± 
4.0bc 

34 ± 
1.0c 

33 ± 
2.0c --- 61 ± 5.0a 64 ± 

2.0a 0.0001 

C (%) 14.1 ± 
4.3ab 

11.5 ± 
1.9ab 

8.1 ± 
2.3b 

5.4 ± 
1.6b --- 25.2 ± 

2.0a 
22.9 ± 
2.5a 0.0001 

N (%) 0.59 ± 
0.2bc 

0.47 ± 
0.2bc 

0.38 ± 
0.1c 

0.22 ± 
0.0c --- 0.99 ± 

0.1ab 
1.2 ± 
0.2a 0.0001 

NH4
+

 
(ug NH4-N g-1 soil) 

37.10 ± 
10.30a 

0.17 ± 
0.11d 

0.74 ± 
0.09c 

1.05 ± 
0.16c --- 7.42 ± 

1.92b 
5.73 ± 
2.05bc 0.0001 

NO3
-
 

 (ug NO3-N g-1 soil) 
0.74 ± 
0.14ab 

0.43 ± 
0.03b 

0.35 ± 
0.01b 

0.33 ± 
0.02b --- 1.09 ± 

0.20a 
0.90 ± 
0.13a 0.0001 

Soil pH 5.20 ± 
0.07 

5.04 ± 
0.06 

5.05 ± 
0.06 

5.10 ± 
0.05 --- 5.05 ± 

003 
5.03 ± 
0.04 0.5826 
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Table S1.3. PerMANOVA values for fungal community composition after 999 iterations. 
Moisture content, %N, NH4

+, NO3
-, pH, and sampling time were non-significant variables and 

were not included in the final model. Boldface type indicates P < 0.05.  
 

Variable df 
Sum of 
squares 

Mean sum 
of squares F. model r2 P 

Time since fire 1 0.691 0.691 5.361 0.231 0.001 
Vegetation 1 0.496 0.496 3.843 0.166 0.002 
% C 1 0.313 0.313 2.425 0.105 0.025 
Time: Vegetation 1 0.311 0.311 2.415 0.104 0.030 
Time: % C 1 0.243 0.243 1.888 0.082 0.083 
Vegetation: % C 1 0.096 0.096 0.745 0.032 0.682 
Time: Vegetation: 
% C 1 0.191 0.191 1.481 0.064 0.189 

Residuals 5 0.645 .129  .216  
       
Total 12 2.986   1  
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Table S1.4. Regression results for the relationship between fungal hyphal length (km m-2) and 1 
potential enzyme activity (nmol h-1 g-1 dry soil) for 6 hydrolytic enzymes involved in C and 2 
nutrient cycling.  3 
 4 

Enzyme Regression equation r2 P-value 
α-glucosidase AG activity = -35.97 + 25.10 * log(hyphal length) 0.334 0.0005 

β-glucosidase BG activity = -168.37 + 259.46 * log(hyphal length) 0.372 0.0001 

β-xylosidase BX activity = -13.66 + 32.32 * log(hyphal length) 0.331 0.0004 

Cello-biohydrolase CBH activity = -2.25 + 27.45 * log(hyphal length) 0.217 0.0071 
N-acetyl-
glucosaminidase NAG activity = -959.48 + 546.98 * log(hyphal length) 0.385 0.0001 

Acid Phosphatase AP activity = -1294.77 + 1129.74 * log(hyphal length) 0.434 0.0001 

 5 

 6 

 7 

 8 

 9 

 10 

 11 

 12 

 13 

 14 

 15 

 16 

 17 

 18 
 19 
 20 
 21 
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Table S1.5. Decomposition constants (k) for aspen and black spruce litter decomposing at sites 22 
along the fire chronosequence. Data are reported as means ± SE (year-1) and different letters 23 
indicate significant differences in k for a given litter type across sites (P < 0.05). Decomposition 24 
constants for aspen and black spruce litter increased with the time since fire.  25 
 26 
 27 
 28 

 29 

 30 
 31 
 32 
 33 
 34 
 35 
 36 
 37 
 38 
 39 
 40 
 41 
 42 
 43 
 44 
 45 
 46 
 47 
 48 
 49 
 50 
 51 
 52 
 53 
 54 
 55 
 56 
 57 
 58 
 59 
 60 
 61 
 62 
 63 
 64 
 65 

Time since fire 
(years) k (Aspen) k (Black spruce) 

1 0.211 (0.015)a 0.187 (0.014)a 

7 0.216 (0.016)a 0.239 (0.019)ab 

12 0.240 (0.010)a 0.200 (0.030)a 

24 0.321 (0.034)ab 0.259 (0.007)ab 

90 0.434 (0.046)b 0.360 (0.026)c 

100 0.453 (0.078)b 0.338 (0.041)bc 
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Supplemental Figures 66 
 67 

 68 

Figure S1.1. Map of study locations near Delta Junction, Alaska. 69 
 70 

 71 

 72 

 73 

 74 

 75 

 76 

 77 

 78 

 79 

 80 

 81 

 82 
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CHAPTER 2 83 

Fire severity controls soil microbial responses to boreal forest fire 84 

Abstract 85 

Wildfire activity is projected to increase in boreal forests as a result of climate warming. 86 

The consequences of increased wildfire activity for soil carbon (C) storage in boreal forests may 87 

depend of the sensitivity of soil microbes to fire severity, but microbial responses to boreal forest 88 

fire severity have not been previously investigated. Here, we combine remote sensing of fire 89 

severity and field sampling to characterize the response of soil microbial biomass, microbial 90 

respiration of CO2, and fungal community composition to fire severity in a boreal forest 91 

ecosystem. We used remote sensing measurements of differenced normalized burn ratio (dNBR) 92 

from Landsat as a measure of fire severity. Our results demonstrate that fire severity controls soil 93 

microbial responses to boreal forest fires. In comparison to unburned stands, burned stands had a 94 

52% and 56% reduction in soil microbial biomass and basal respiration, respectively. Within 95 

burned stands, we found that microbial biomass and basal respiration significantly declined with 96 

increasing fire severity. In addition, ectomycorrhizal taxa accounted for approximately 40% of 97 

fungal DNA sequences in low severity burn sites, but were nearly absent in high severity burn 98 

sites. Our results suggest that decreases in the biomass and respiration of soil microbes following 99 

high severity fires may slow organic matter decomposition and C release from boreal soils. 100 

Furthermore, reductions in ectomycorrhizal fungi may impede the growth of black spruce trees 101 

following high severity fires. Therefore, models of C cycle responses to climate warming may 102 

need to represent the sensitivity of microbial biomass and fungal community composition to fire 103 

severity in boreal forests.  104 

 105 
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Introduction 106 

Increases in wildfire activity are an element of global change in boreal forests. Surface 107 

temperatures in boreal forests have increased by ~2°C in the past 100 years (Wendler and 108 

Shulski 2009, IPCC 2013), and one consequence of warming in boreal forests is an 109 

intensification of the fire regime. Climate warming and drying favor a boreal forest fire regime 110 

that is characterized by a greater number of extreme fire years with large fires that burn at high 111 

severity (Gillett et al. 2004, Kasischke and Turetsky 2006, Flannigan et al. 2009b, Turetsky et al. 112 

2011, de Groot et al. 2013). Models of future wildfire activity in North American boreal forests 113 

predict substantial increases in fire season length (Flannigan et al. 2013), burned area (Bachelet 114 

et al. 2005, Flannigan et al. 2005, Euskirchen et al. 2009), and fire severity (Flannigan et al. 115 

2013) during the 21st century.  116 

The soils of boreal forests store up to 20% of global soil organic C (Jobbagy and Jackson 117 

2000, Tarnocai et al. 2009), and these large soil C stocks may be altered by increases in wildfire 118 

activity. Conventional ecosystem theory of secondary succession predicts that microbial 119 

decomposition increases following boreal forest fires, and that the post-fire stimulation of 120 

microbial decomposition reduces soil C stocks (Richter et al. 2000, Chapin et al. 2011b, Harmon 121 

et al. 2011). Microbial decomposition is predicted to increase because soil temperatures are 122 

higher in recently burned stands and forest fires can create detritus that is available for 123 

decomposition. However, hypothesized increases in microbial decomposition are difficult to 124 

reconcile with the observed responses of soil microbes to boreal forest fire. Microbial biomass 125 

and extracellular enzyme production have consistently been found to decline following boreal 126 

wildfires (Dooley and Treseder 2012, Holden et al. 2013). Moreover, plant litter has been shown 127 

to decompose more slowly in recently burned boreal forest stands (Holden et al. 2013). These 128 
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observations challenge the conventional view that microbial decomposition increases following 129 

boreal forest fires.  130 

Fire severity may determine the degree to which soil microbes and soil C storage are 131 

affected by boreal forest fires. Severe fires are likely to be particularly destructive to soil 132 

microbial communities because their higher temperatures more effectively sterilize soils 133 

(Bergner et al. 2004, Certini 2005, Dooley and Treseder 2012). In addition, severe fires may 134 

yield greater mortality for host plants of symbiotic microbes (e.g., mycorrhizal fungi). The 135 

sensitivity of soil microbes to fire severity could, in turn, alter soil C storage in boreal forests. 136 

Saprotrophic fungi regulate C loss from boreal forest soils via the decomposition of organic 137 

matter in soil (Swift et al. 1979). On the other hand, mycorrhizal fungi facilitate the transfer of 138 

atmospheric CO2 to soil because they associate with plant roots belowground and receive C from 139 

plants in exchange for nutrients (Clemmensen et al. 2013). Thus, the consequences of increased 140 

wildfire activity for soil C storage in boreal forests could depend on the sensitivities of each 141 

fungal group to fire severity. 142 

Yet so far, no study has addressed the influence of boreal forest fire severity on soil 143 

microbial communities. Of particular importance is whether soil microbial communities respond 144 

linearly to increases in fire severity, or if there are threshold levels of fire severity above which 145 

microbial responses are equivalent. Recent studies on post-fire plant community composition 146 

indicate that fire severity controls the distributions of coniferous and deciduous trees in boreal 147 

forests (Johnstone et al. 2010b, Beck et al. 2011). It is unclear whether fire severity exerts 148 

analogous controls on belowground communities. Clarifying the response of soil microbial 149 

communities to fire severity is necessary for projecting how increased wildfire activity will 150 

affect soil C stocks in boreal forests. 151 
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Here, we investigate the responses of soil microbial biomass, microbial respiration of 152 

CO2, and fungal community composition to fire severity in a boreal forest ecosystem. We 153 

sampled organic soil from 19 locations within the Gilles Creek fire scar in interior Alaska 154 

(Figure 2.1A). Burned sampling locations were chosen to represent a range of fire severities. The 155 

dominant pre-fire vegetation at 15 of the sites was black spruce (Picea mariana B.S.P.), and the 156 

remaining 4 sites were mixed stands of white spruce (P. glauca Voss.) and aspen (Populus 157 

tremuloides Michx.). For comparison, we also sampled soil from 7 unburned late successional 158 

“control” stands adjacent to the fire scar. Organic soil samples were separated into fibric 159 

(moderately decomposed plant material) and humic (highly decomposed) horizons. Fire severity 160 

was measured using the remote sensing-derived differenced Normalized Burn Ratio (dNBR). We 161 

hypothesized that more severe fires would cause greater reductions in soil microbial biomass and 162 

respiration than low severity fires. In addition, we predicted that more severe fires would elicit 163 

larger shifts in the community composition of soil fungi.  164 

 165 

Methods 166 

Site description 167 

The Gilles Creek fire was a lightning-caused crown fire that occurred from 26 May − 2 168 

June 2010 in interior Alaska (64°20’N; 145°45’W) and burned ~8000 ha (Figure 2.1). 169 

Vegetation types in the fire scar were aggregated from the LANDFIRE dataset (U.S. Department 170 

of Interior 2009). The dominant vegetation type within the burn perimeter was black spruce 171 

forest (62%), followed by mixed white spruce-aspen forests (17%), and pure aspen (5%). Birch 172 

(Betula nana L.) and willow (Salix spp. L.) shrub stands were found in southern areas of the 173 

perimeter (13% of the fire scar), although these were mostly left unburned. Soils are primarily 174 
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Inceptisols; permafrost is discontinuous in the region and was not present at these sites. The local 175 

climate is cold and dry with a mean annual temperature of 2°C and a mean annual precipitation 176 

rate of 303 mm (Talbot and Treseder 2012).  177 

 178 

Soil sampling 179 

From 27 August – 31 August 2012, we collected soil samples from 19 locations within 180 

the Gilles Creek fire scar (n = 15 black spruce stands and 4 white spruce-aspen stands). Burn 181 

sites were chosen to represent a range of fire severities. We also sampled from seven additional 182 

locations in unburned late successional “control” forests adjacent to the fire scar (n = 4 black 183 

spruce stands and 3 white spruce-aspen stands). Control sites were selected to match conditions 184 

at the burned locations. Field sites were located between 120 and 700 m away from an access 185 

road traversing the center of the fire. At each sampling location, we established a 2 × 30 m2 186 

transect and collected soil cores approximately every 10 m along the transect for a total of three 187 

soil cores per sampling location. We sampled the entirety of the organic soil horizon using a 5 188 

cm diameter soil corer. If present, fresh plant litter and live moss were removed prior to taking 189 

soil cores. Organic soils were separated into fibric (moderately decomposed plant material) and 190 

humic (highly decomposed, no recognizable plant parts) horizons using a serrated knife 191 

following Boby et al. 2010 (Boby et al. 2010). Humic soils were not present at all sampling 192 

locations. We did not collect mineral soil samples because previous work at this site and other 193 

nearby fire scars demonstrated that microbial biomass in the mineral horizon was substantially 194 

lower than in the organic horizon and similar between burned and unburned sites (Holden et al. 195 

2013). Following collection, soils were placed on ice and transported to UC Irvine (Irvine, CA, 196 

USA). Soils were hand-homogenized and stored at either 4°C (microbial biomass and basal 197 
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respiration) or –80°C (fungal community composition). At each sampling location, we collected 198 

six additional soil cores that were used to determine the height and bulk density of the fibric and 199 

humic soil layers.  200 

 201 

Fire severity 202 

We characterized fire severity at each sampling location using the differenced normalized 203 

burn ratio (dNBR) derived from 30 m Landsat 5 Thematic Mapper (TM) imagery. A Level 1 204 

georectified pre-fire image was selected from 3 August 2009 (path 68, row 15) and post-fire 205 

image from 3 September 2011 (path 67, row 15) from the USGS GLOVIS website (USGS 206 

2012). We utilized the Landsat Ecosystem Disturbance Adaptive Processing System (LEDAPS) 207 

to obtain surface reflectance (Masek et al. 2006). LEDAPS converts digital numbers, calibrates 208 

at-sensor radiance values, and corrects for atmospheric contamination using column water vapor 209 

from National Centers for Environmental Prediction (NCEP) reanalysis and ozone concentration 210 

from Total Ozone Mapping Spectrometer (TOMS) data aboard the Nimbus-7, Meteor-3, and 211 

Earth Probe platforms. Topographic corrections were performed using a modified version of the 212 

rotation method (Tan et al. 2010), in which reflectances were normalized to summer solstice in 213 

order to eliminate zenith angle effects (Rogers et al. 2014). The Normalized Burn Ratio (NBR) 214 

was calculated from each scene according to 215 

𝑁𝐵𝑅   =   
𝜌! − 𝜌!
𝜌! + 𝜌!

  ×  1000 

where ρ4 = band 4 reflectance (0.76–0.90 µm) and ρ7 = band 7 reflectance (2.08–2.35µm). 216 

Because the post-fire scene contained a few distinct clouds that covered four control sites, we 217 

employed a gap-filling technique using NBR from an additional scene from 5 Oct 2011 (path 67, 218 
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row 15). To account for seasonal phenology effects, domain-wide differences in NBR were first 219 

subtracted from the ancillary image (Figure 2.1). dNBR was calculated as 220 

dNBR = NBRpre-fire - NBRpost-fire. 221 

Plot-level dNBR values were calculated from the average of 30 m pixels that contained our 2 × 222 

30 m plots (typically 2–3 pixels). As an additional measure of severity, we also measured the 223 

Composite Burn Index (CBI) for each plot, modified for the shorter stand structures of interior 224 

Alaska (Kasischke et al. 2008). 225 

 226 

Soil microbial biomass 227 

Active soil microbial biomass was measured using the substrate-induced respiration 228 

(SIR) method (Anderson and Domsch 1978). Because SIR measures respiration in response to 229 

labile substrate addition, SIR primarily measures the biomass of saprotrophic microbes. One- 230 

gram soil (fresh weight) was placed in an airtight 40 ml glass vial. Soil samples were amended 231 

with 0.1 ml glucose solution (10 mg glucose g-1 soil), and incubated at 22°C for 4 h shaking at 232 

100 r.p.m (Lavoie and Mack 2012). Headspace gas samples were collected at 2 and 4 h and CO2 233 

concentrations were determined using an infrared gas analyzer (PP Systems EGM-4, Amesbury, 234 

MA, USA). We converted CO2 respiration to microbial biomass C (Cmic) using the equation Cmic 235 

(µg Cmic g-1 soil) = (µl CO2 g-1 soil hr-1) × 40.04 + 0.37 (Anderson and Domsch 1978). In 236 

previous work with soils from this region, we found that the SIR method gave near identical 237 

values of µg Cmic g-1 soil as the chloroform fumigation method. We scaled microbial biomass to 238 

a ground area basis using soil bulk densities and horizon depths.  239 

 240 

Soil basal respiration 241 
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One-gram soil (fresh weight) was placed in an airtight 40 ml glass vial. Soils were 242 

incubated at 10°C (similar to in situ soil temperatures during the growing season) for 24 h. 243 

Microbial respiration of CO2 was measured at 2, 4, and 24 h by drawing headspace air samples 244 

from the incubation vials and injecting each sample into an infrared gas analyzer. Soil basal 245 

respiration was calculated as the change in CO2 concentration per g soil per hour.   246 

 247 

Fungal community composition 248 

We assessed fungal community composition in fibric soil samples using 454 249 

pyrosequencing. DNA was extracted from a 0.25 g subsample of each soil sample using the 250 

PowerSoil DNA extraction kit (MoBio, Carlsbad, CA, USA). For each sample, we amplified 251 

fungal 18s DNA in triplicate following the procedure described in Holden et al. 2013 (Holden et 252 

al. 2013). Sequencing was performed on a Roche 454 Gene Sequencer at the Environmental 253 

Genomics Core Facility at the University of South Carolina (Columbia, SC, USA). 254 

 Following pyrosequencing, DNA sequences were de-multiplexed, quality filtered, and 255 

processed using QIIME v1.7.0 (Caporaso et al. 2010). Low quality sequences were removed 256 

using QIIME’s default settings. On average, we obtained 193 DNA sequences per soil sample. 257 

Samples with fewer than 100 quality DNA sequences were excluded from further analyses, and 258 

all remaining samples were rarefied to a sequencing depth of 100 sequences per sample prior to 259 

downstream analyses. This number of sequences per sample is not sufficient to fully characterize 260 

fungal diversity in our soil samples. However, previous work suggests that this level of 261 

sequencing effort will allow us to compare overall fungal community composition between soil 262 

samples (Rousk et al. 2010).  263 
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DNA sequences were binned into operational taxonomic units (OTUs) with 97% 264 

sequence similarity using the USEARCH algorithm (Edgar 2010). USEARCH filters low 265 

abundance OTUs and performs de novo and reference-based chimera detection using the 266 

program UCHIME (Edgar et al. 2011). For reference-based chimera detection, we used a 267 

manually curated database of 18s sequences of fungi submitted to GenBank as part of the 268 

Assembling the Fungal Tree of Life (AFTOL) project (Lutzoni et al. 2004). Chimeric sequences 269 

were removed from all further analyses. We obtained 173 unique OTUs and the most abundant 270 

sequence in each OTU was selected as its representative sequence. The closest taxonomic 271 

identity for each representative sequence was assigned by BLAST comparison against sequences 272 

contained within the aforementioned AFTOL database and GenBank. Non-fungal OTUs were 273 

removed from the dataset, and our final dataset included 156 unique fungal OTUs. OTUs were 274 

assigned to fungal functional groups (i.e., ectomycorrhizal fungi, other root-associated fungi, 275 

litter-associated saprotroph, mold and yeasts, pathogen, lichen) if the representative sequence 276 

was greater than 97% similar to a sequence from the AFTOL database with a known function. 277 

OTUs that could not reliably be placed into a single functional group were listed as unknown. 278 

Approximately 45% of fungal taxa in our study could not reliably be placed in a single functional 279 

group. However, each fungal taxon that could not be placed in a functional group tended to be 280 

represented by few DNA sequences. DNA sequences were deposited in the National Center for 281 

Biotechnology Information Sequence Read Archive (accession number SRX376967).  282 

 283 

Statistics 284 

We used non-metric multidimensional scaling (NMDS) with Bray-Curtis dissimilarities 285 

to evaluate differences in fungal community composition across sampling locations. We used 286 



 50 

NMDS axis 1 scores as a metric for fungal community composition. Analysis of variance 287 

(ANOVA) was used to detect significant differences in microbial biomass, basal respiration, 288 

NMSD axis 1 scores, and the proportional abundance of fungal functional groups between 289 

burned and unburned soil samples. To test for significant relationships between fire severity and 290 

soil microbial community parameters in burned black spruce stands, we used ordinary least 291 

squares regression with dNBR as the independent variable, and microbial biomass, basal 292 

respiration, NMSD Axis 1 scores, and the proportional abundance of fungal functional groups as 293 

the dependent variables. We did not perform regressions on data from burned white spruce-aspen 294 

stands given the low number of burned sites (n = 4). In all cases, fibric and humic soil data were 295 

analyzed separately and continuous data were ranked prior to statistical analysis. Finally, we 296 

performed a PerMANOVA using the Adonis function in the Vegan package of R to further test if 297 

fire severity and vegetation type influenced fungal community structure (Anderson 2001). 298 

Statistical analyses were conducted using R 2.15.1 (R Core Development Team 2011).  299 

 300 

Results 301 

Remote sensing of fire severity. 302 

The Gilles Creek fire burned at a range of fire severities (Figure 2.1B). The distribution 303 

of dNBR is bimodal because shrub stands in the southern portion of the fire scar burned at low 304 

severity or were left unburned. Burned black spruce stands had a mean dNBR value of 457. The 305 

mean dNBR value in burned white spruce-aspen stands was 379.  306 

 307 

Microbial biomass and soil basal respiration 308 
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Soil microbial biomass in fibric soil was significantly reduced in burned stands compared 309 

to unburned stands, by 53% in black spruce stands and 47% in white spruce-aspen stands 310 

(P(black spruce) = 0.0004, P(white spruce) = 0.013, Figure 2.2A). In burned black spruce stands, 311 

we found high severity fires were associated with greater reductions in microbial biomass than 312 

were low severity fires (r2 = 0.483, P = 0.002, Figure 2.2B). This pattern was conserved when 313 

microbial biomass was scaled to a ground area basis (Figure S2.1). Likewise, we observed that 314 

soil basal respiration in fibric soil was significantly lower in burned stands (P(black spruce) = 315 

0.003, P(white spruce) = 0.024, Figure 2.2C), and basal respiration declined as a function of 316 

dNBR in burned black spruce stands (r2 = 0.544, P = 0.001, Figure 2.2D). Because our white 317 

spruce-aspen stands experienced a narrow range of fire severity, we were unable to detect 318 

significant relationships between dNBR and microbial biomass or soil basal respiration there 319 

(Figure S2.2). Microbial biomass and soil basal respiration in humic soil did not differ 320 

significantly between burned and unburned forests, and did not vary significantly with fire 321 

severity (Figure S2.3). Thus, we focus exclusively on fibric soil hereafter.  322 

 323 

Fungal community composition 324 

Fungal community composition differed significantly between burned and unburned 325 

forests (P(black spruce) = 0.0002, P(white spruce) = 0.060, Figure 2.3A). Moreover, 326 

permutational multivariate analysis of variance (PerMANOVA) indicated that burning (r2 = 327 

0.173, P = 0.001) and vegetation community (r2 = 0.058, P = 0.010) explained a significant 328 

proportion of the overall variation in fungal community composition across all sampling 329 

locations (Figure S2.4). Furthermore, differences in soil fungal communities between burned and 330 

unburned soil samples were attributable to differences in the proportional abundance of 331 
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ectomycorrhizal versus saprotrophic fungi. Ectomycorrhizal taxa accounted for approximately 332 

40% of fungal DNA sequences from unburned forests, but these fungi were scarce in burned 333 

soils (Figure 2.3C). 334 

In burned black spruce stands, fungal community composition shifted with fire severity 335 

(r2 = 0.217, P = 0.045, Figure 2.3B), and perMANOVA indicated that fire severity explained a 336 

significant portion of stand-level variation (r2 = 0.121, P = 0.006, Figure S2.4). Shifts in fungal 337 

community composition with increasing fire severity corresponded to decreases in the 338 

proportional abundance of ectomycorrhizal fungi (r2 = 0.287, P = 0.023, Figure 2.3D). In 339 

contrast, saprotrophic fungi represented a significantly greater proportion of the community in 340 

burned soils, and they increased in proportional abundance as a function of dNBR (Figure S2.5). 341 

The relationship between dNBR and fungal community composition in burned black 342 

spruce stands was primarily driven by the two stands that burned at the lowest severity and had 343 

dNBR values below 670 (Figure 2.3B, 2.3D). In these low severity burn sites, fungal community 344 

composition was similar to the unburned black spruce stands. Moreover, when these two sites 345 

were removed from the analysis, fungal community composition and the abundance of 346 

ectomycorrhizal fungi in burned black spruce stands differed from unburned stands but were not 347 

significantly related to dNBR.  348 

 349 

Comparison with the Composite Burn Index 350 

The Composite Burn Index (CBI) is a widely used visual characterization of fire severity 351 

based on five forest strata, and it is employed operationally as a rapid assessment of fire severity 352 

(Kasischke et al. 2008). The CBI was strongly linearly correlated with dNBR in burned sites (r = 353 

0.65, P = 0.003). As such, we observed comparable patterns between microbial biomass, soil 354 
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basal respiration, and fungal community composition when fire severity was measured visually 355 

using the CBI (Figure S2.6).  356 

 357 

Discussion 358 

Wildfire occurrence in boreal forests will likely increase as a result of climate warming. 359 

By combining remote sensing measurements of fire severity with field sampling, our study 360 

provides the first evidence that fire severity controls soil microbial responses to boreal forest 361 

fires. We found that unburned boreal forest stands had high levels of soil microbial biomass and 362 

basal respiration. In addition, ectomycorrhizal fungi accounted for nearly half of the soil fungal 363 

community. Black spruce stands that burned at low severity had intermediate levels of microbial 364 

biomass and respiration, and proportions of ectomycorrhizal fungi that were similar to unburned 365 

sites. In contrast, stands that burned at higher severity had the lowest levels of microbial 366 

biomass, and the soil fungal community was dominated by saprotrophic fungi. Severely burned 367 

stands (dNBR values > 700) accounted for approximately 15% of the fire scar (Figure 2.1B). 368 

These findings are consistent with our hypothesis that more severe fires would cause greater 369 

reductions in soil microbial biomass and larger shifts in fungal community composition.  370 

In fibric soils, the observed decrease in microbial biomass with increasing dNBR may be 371 

attributable to higher soil temperatures during the fire. Soil heating trials have demonstrated that 372 

the survival of soil microbes decreases with increasing temperature, with complete sterilization 373 

around 200°C (Dunn et al. 1985, Serrasolsas and Khanna 1995, DeBano et al. 1998). Although 374 

we were unable to measure soil temperatures during the fire, it is probable that higher dNBR 375 

values corresponded to hotter fires that burned deeper into soils and increased soil temperatures 376 

more than low severity burns. dNBR has previously been shown to have relatively high 377 
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explanatory power for surface organic char in interior Alaska (Hudak et al. 2007) and in our 378 

burned sites dNBR was strongly correlated with the CBI, suggesting that dNBR values 379 

accurately reflect the degree to which organic soils are affected by boreal forest fires. 380 

Alternatively, microbes in soils that burned at high severity may experience greater C or water 381 

limitation following fires. Given the observational nature of our study, we are unable to 382 

disentangle the responsible mechanisms. However, previous studies that measured fire severity 383 

visually lend support to our finding that high severity fires elicit greater reductions in soil 384 

microbial biomass than low severity fires (Hernandez et al. 1997, Bergner et al. 2004). 385 

Furthermore, soil invertebrates display similar declines in abundance with increasing fire 386 

severity (Wikars and Schimmel 2001, Malmstrom 2010). In humic soils, microbial biomass was 387 

not affected by burning or fire severity, potentially because these deeper soils were buffered 388 

from temperature changes during the fire (Certini 2005). The Gilles Creek fire may have been of 389 

relatively moderate severity because it was an early season burn. It is possible that humic soils 390 

might also be affected following higher severity boreal forest fires.   391 

Soil basal respiration exhibited a similar response to fire severity as microbial biomass, 392 

with greater reductions in basal respiration following high severity fires. These findings are not 393 

in agreement with hypothesized post-fire increases in microbial decomposition from classic 394 

ecosystem theory of secondary succession, but are consistent with recent studies reporting that 395 

microbial respiration decreases or shows no change following boreal forest fires (Czimczik et al. 396 

2006, Goulden et al. 2011). An important consideration is that we measured microbial respiration 397 

in the laboratory under standardized conditions. Soil temperatures during the growing season 398 

have been found to increase by approximately 5°C following boreal forest fires (Treseder et al. 399 

2004, Liu et al. 2005). Assuming a Q10 value of ~2 for microbial respiration (Zhou et al. 2009), 400 
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soil temperature increases of this magnitude could substantially stimulate microbial respiration 401 

during the growing season. Therefore, we cannot rule out that higher in situ soil temperatures in 402 

burned stands might increase microbial respiration when measured in the field. However, given 403 

the observed reduction in soil microbial biomass, any increases in microbial respiration would 404 

have to result from large increases in mass-specific respiration rates of soil microbes.  405 

In addition to altering microbial biomass and basal respiration, fire severity structured 406 

soil fungal communities in the study sites. Previous studies have shown that moderate versus 407 

high severity fires in temperate forests result in distinct soil bacterial communities (Weber et al. 408 

2013), but our study is one of the first to test the influence of fire severity on soil fungal 409 

communities in boreal forests. Compositional shifts in soil fungal communities across the fire 410 

severity gradient corresponded to differences in the proportional abundance of ectomycorrhizal 411 

fungi. Indeed, ectomycorrhizal fungi were nearly absent in high severity burn sites. 412 

Ectomycorrhizal fungi likely diminish following forest fires because they are unable to thrive in 413 

the absence of host trees. Additional studies have reported that ectomycorrhizal fungi are 414 

negatively affected by forest fires (Taylor and Bruns 1999, Treseder et al. 2004), and a previous 415 

chronosequence study that utilized the Gilles Creek fire scar found that the proportional 416 

abundance of ectomycorrhizal fungi required at least 12 years to return to pre-fire levels (Holden 417 

et al. 2013). The current study expands on these findings by demonstrating that post-fire 418 

reductions in ectomycorrhizal fungi are contingent on fire severity. In addition, we found that 419 

more severely-burned stands had a higher proportional abundance of saprotrophic fungi. 420 

Nevertheless, given the observed post-fire reduction in soil microbial biomass, the total biomass 421 

of saprotrophic fungi remained larger in unburned stands.  422 
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Although microbial biomass responded linearly to increases in fire severity, we found 423 

some evidence that there was a fire severity threshold above which the proportional abundance 424 

of ectomycorrhizal fungi dropped. At our sampling locations this threshold occurred above 425 

dNBR values of 670, and approximately 26% of burned black spruce stands had dNBR values 426 

greater than 670 (Figure 2.1B). In burned black spruce stands with dNBR values below this 427 

threshold, many trees had survived the fire. On the other hand, in black spruce stands above this 428 

threshold, nearly all trees had been killed during the fire and had not yet regrown at the time of 429 

sampling (Figure S2.7). Thus, the potential fire severity threshold that we observed for 430 

ectomycorrhizal abundance could be related to black spruce survival during the fire (Dahlberg 431 

2002). It is important to note that the dNBR threshold of 670 that we observed is not an absolute 432 

number and should be interpreted in a relative fashion, because dNBR values can vary with 433 

season phenology, year of acquisition, atmospheric contamination, and other relics of data 434 

processing.  435 

Reductions in ectomycorrhizal fungi following high severity fires may have 436 

consequences for plant community composition in boreal forests. Severe boreal forest fires have 437 

been shown favor the recruitment and growth of deciduous trees over coniferous trees (Johnstone 438 

et al. 2010b, Beck et al. 2011). This pattern is typically attributed to shallower organic horizons 439 

and higher light levels after high severity fires, which allow for the germination and growth of 440 

deciduous trees (Johnstone et al. 2010a). Another mechanism that may contribute to this trend is 441 

the observed reduction in ectomycorrhizal fungi after high severity fires. Black and white spruce 442 

are obligately ectomycorrhizal, and associations with ectomycorrhizal fungi are particularly 443 

important for seedling establishment (Smith and Read 2008). Deciduous trees in boreal forests 444 

(e.g., Populus tremuloides) facultatively form symbioses with ectomycorrhizal fungi, but they 445 
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may also associate with arbuscular mycorrhizal fungi or resprout from roots that survive the fire 446 

(Neville et al. 2002). Thus, deciduous trees are in general likely to be less dependent on 447 

associations with ectomycorrhizal fungi following high severity boreal forest fires than black and 448 

white spruce trees. However, whether differences in the number of DNA sequences from 449 

ectomycorrhizal taxa in bulk soil samples translate into differences in root colonization by 450 

ectomycorrhizal fungi remains to be tested. Moreover, higher levels of ectomycorrhizal 451 

colonization can be correlated with increased host plant biomass (Reithmeier and Kernaghan 452 

2013), but this is not always the case (Karst et al. 2008). Owing to the observational nature of 453 

our study, we could not test if the growth of black and white spruce trees is limited by the 454 

abundance of ectomycorrhizal fungi following high severity boreal forest fires, but this is a 455 

promising area for further study. 456 

The sensitivity of soil microbial communities to fire severity may affect C storage in 457 

boreal forests and influence feedbacks between increased wildfire activity and climate warming. 458 

In the short term, the biomass and respiration of saprotrophic microbes showed the greatest 459 

declines following higher severity fires. Reductions in the biomass of saprotrophic microbes 460 

after high severity fires should decrease the rate of soil organic matter decomposition and slow 461 

the transfer of C from boreal forests soils to the atmosphere. Ectomycorrhizal fungi contribute to 462 

long-term C accumulation in boreal forest soils, because these fungi facilitate the transfer of 463 

atmospheric C to soil and produce C compounds with long residence times in soil (Treseder and 464 

Holden 2013). Thus, on longer time scales, reductions in ectomycorrhizal fungi after high 465 

severity fires may slow the rate of soil C accumulation in boreal forests. On the other hand, 466 

reductions in ectomycorrhizal fungi following high severity fires may contribute to increased 467 

deciduous tree cover, which has a biophysical cooling effect in boreal forests (Rogers et al. 468 



 58 

2013). Ultimately, the net climate feedback arising from increased boreal forest fire severity will 469 

likely be a balance between increased C and aerosol emissions for the fire itself, a short-term 470 

decline in the biomass and respiration of saprotrophic microbes, potential decreases in long-term 471 

soil C accumulation that result from reductions in ectomycorrhizal fungi, and the biophysical 472 

cooling effect associated with increased deciduous tree cover (Beck et al. 2011). Potential 473 

feedbacks between increased fire severity and climate warming that are mediated by soil 474 

microbes are not well accounted for in current Earth system models.  475 

In conclusion, we found that fire severity controlled soil microbial biomass, basal 476 

respiration, and fungal community composition following boreal forest fire. High severity burn 477 

sites exhibited greater reductions in microbial biomass, respiration, and the proportional 478 

abundance of ectomycorrhizal fungi than did low severity burn sites. The sensitivity of soil 479 

microbial communities to fire severity may influence soil C storage in boreal forests and alter 480 

feedbacks between increased wildfire activity and climate warming, but these feedbacks are not 481 

well represented in current Earth system models. Our study has also demonstrated how remote 482 

sensing data can be used to scale up field studies on soil microbial communities and soil C 483 

dynamics following boreal wildfires.  More broadly, remote sensing can be used to characterize 484 

other variables that are of interest to microbial ecologists, and further collaborations with the 485 

remote sensing community are likely to benefit studies on the abiotic drivers of soil microbial 486 

communities.  487 

 488 

 489 

 490 

 491 
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Figures 492 

 493 

Figure 2.1. Map of the Gilles Creek fire scar in interior Alaska (A) and histogram of dNBR 494 
across the fire perimeter (B). The fire perimeter was derived from the Monitoring Trends in Burn 495 
Severity database. Symbols represent sampling locations in the fire scar and adjacent unburned 496 
control forests.  497 
 498 



 60 

 499 

 500 

Figure 2.2. The effect of fire severity on fibric soil microbial biomass and basal respiration. In 501 
both black spruce and white spruce-aspen stands, microbial biomass (A) and basal respiration 502 
(C) were significantly lower in burned soils compared to unburned soils (microbial biomass: 503 
P(black spruce) = 0.0004, P(white spruce-aspen) = 0.013; basal respiration: P(black spruce) = 504 
0.003, P(white spruce-aspen) = 0.024). Columns represent the mean value for all burned (n(black 505 
spruce) = 15, n(white spruce-aspen) = 4) and unburned (n(black spruce) = 4, n(white spruce- 506 
aspen) = 3) sampling locations. Biomass and respiration declined with increasing fire severity in 507 
burned black spruce stands (B, D). Black symbols represent the mean of 3 soil cores from each 508 
burned black spruce stand. Lines are best-fit regressions for burned black spruce stands (n = 15). 509 
Error bars are ± 1 SEM. 510 
 511 

 512 

 513 

 514 
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 515 

 516 

Figure 2.3. The effect of fire severity on soil fungal community composition in fibric soil. 517 
Fungal community composition (NMDS Axis 1 scores) differed significantly between unburned 518 
and burned forests (A; P(black spruce) = 0.0002, P(white spruce-aspen) = 0.060). Within burned 519 
black spruce stands, composition differed and as a function of dNBR (B). The proportional 520 
abundance of ectomycorrhizal fungi was significantly lower in burned forests (C; P(black 521 
spruce) = 0.003, P(white spruce-aspen) = 0.034) and decreased with increasing fire severity (D). 522 
Black symbols represent the mean of 3 soil cores from each burned black spruce stand. Lines are 523 
best-fit regressions for burned black spruce stands (n = 15). Error bars are ± 1 SEM. 524 
 525 

 526 

 527 

 528 

 529 
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Supplemental Figures 530 

 531 
Figure S2.1. Fibric soil microbial biomass scaled to a ground area basis using soil bulk densities. 532 
Microbial biomass per unit ground area was significantly lower in burned forests (A; P(black 533 
spruce) = 0.002, P(white spruce-aspen) = 0.0007). Microbial biomass per unit ground area 534 
declined as a function of dNBR in burned black spruce stands (B). Black symbols represent the 535 
mean of 3 soil cores from each burned black spruce stand (n = 15). Line is best-fit regression for 536 
burned black spruce sites. Error bars are ± 1 SEM. 537 
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 563 
 564 
Figure S2.2. Microbial biomass (A) and basal respiration (B) in burned white spruce-aspen 565 
stands (n = 4). Symbols represent the mean of 3 soil cores from each burned white spruce-aspen 566 
stand. Because our white spruce-aspen stands experienced a narrow range of fire severity, we 567 
were unable to detect significant relationships between dNBR and microbial biomass or basal 568 
respiration in burned white spruce stands. Error bars are ± 1 SEM. 569 
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 584 
 585 
Figure S2.3. Humic soil microbial biomass and basal respiration in unburned and burned forests 586 
(A, C), and as a function of fire severity in burned black spruce forests (B, D). Microbial 587 
biomass and basal respiration in humic soil did not differ between unburned and burned sites and 588 
were not significantly related to dNBR. Error bars are ± 1 SEM. 589 
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 607 
 608 
Figure S2.4. Nonmetric multidimensional scaling (NMDS) plot showing composition 609 
differences in fibric soil fungal communities by fire severity (dNBR) and vegetation community. 610 
Each symbol represents one sampling location. Permutational multivariate ANOVA 611 
(perMANOVA) indicated that fire severity explained a significant proportion of the variation in 612 
fungal community composition across all study sites (r2 = 0.173, P = 0.001). Fungal 613 
communities also differed between black spruce and white spruce-aspen stands (r2 = 0.058, P = 614 
0.010). Within burned black spruce stands, perMANOVA indicated that fire severity explained a 615 
significant portion of stand-level variation (r2 = 0.121, P = 0.006). The final stress was 0.168 616 
after 65 iterations. 617 
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 634 
 635 
Figure S2.5. The proportional abundance of saprotrophic fungi in burned and unburned forests 636 
(A) and in burned black spruce stands as a function of dNBR (B). Saprotrophic fungi were 637 
significantly more abundant in burned soils (P(black spruce) = 0.004, P(white spruce-aspen) = 638 
0.019), and they increased in abundance as a function of dNBR. Line is best-fit regression for 639 
burned black spruce sites (n = 15). Error bars are ± 1 SEM. 640 
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 667 
 668 
Figure S2.6. Microbial biomass (A), basal respiration (B), NMDS axis 1 scores (C), and the 669 
proportional abundance of ectomycorrhizal fungi (D) in burned black spruce stands as a function 670 
of the Composite Burn Index (CBI), a visual ground-level assessment of fire severity. Black 671 
symbols represent the mean of 3 soil cores from each burned black spruce stand (n = 15). Lines 672 
are best-fit regressions. Error bars are ± 1 SEM. We observed comparable microbial community 673 
responses to increasing fire severity when fire severity was measured visually, although ranked 674 
NMDS axis 1 scores were not significantly related to the CBI.  675 
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 688 
Figure S2.7. Two representative burned black spruce stands. In burned black spruce stands with 689 
dNBR values below 670, many trees survived the fire and the proportional abundance of 690 
ectomycorrhizal fungi was similar to unburned stands. In burned black spruce stands with dNBR 691 
values above 670, most trees were killed during the fire and ectomycorrhizal fungi were nearly 692 
absent.   693 
 694 
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CHAPTER 3 707 

Decreases in soil moisture and organic matter quality suppress microbial decomposition 708 

following boreal forest fires 709 

Abstract 710 

Climate warming is projected to increase the frequency and severity of wildfires in boreal 711 

forests, and increased wildfire activity may alter the large soil carbon (C) stocks in boreal forests. 712 

Changes in boreal soil C stocks that result from increased wildfire activity will be regulated in 713 

part by the response of microbial decomposition to fire, but post-fire changes in microbial 714 

decomposition are poorly understood. Here, we investigate the response of microbial 715 

decomposition to boreal forest fires and test the mechanisms that control post-fire changes in 716 

microbial decomposition. We used a reciprocal transplant between a recently burned boreal 717 

forest stand and a late successional boreal forest stand to test how post-fire changes in abiotic 718 

conditions, soil organic matter (SOM) composition, and soil microbial communities influence 719 

microbial decomposition. We found that SOM decomposing at the burned site lost 30.9% less 720 

mass over two years than SOM decomposing at the unburned site, indicating that post-fire 721 

changes in abiotic conditions suppress microbial decomposition. Our results suggest that 722 

moisture availability is one abiotic factor that constrains microbial decomposition in recently 723 

burned forests. In addition, we observed that burned SOM decomposed more slowly than 724 

unburned SOM, but the exact nature of SOM changes in the recently burned stand are unclear.  725 

Finally, we found no evidence that post-fire changes in soil microbial community composition 726 

significantly affect decomposition. Taken together, our study has demonstrated that boreal forest 727 

fires suppress microbial decomposition due to post-fire changes in abiotic factors and the 728 

composition of SOM.  Models that predict the consequences of increased wildfires for C storage 729 
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in boreal forests may increase their predictive power by incorporating the observed negative 730 

response of microbial decomposition to boreal wildfires.  731 

 732 

Introduction 733 

The soils of boreal forests store an estimated 150−191 Pg C, which accounts for 734 

approximately 20% of global soil organic C (Jobbagy and Jackson 2000, Tarnocai et al. 2009). 735 

Given the large amount of C stored in the soils of boreal forests, there is substantial interest in 736 

predicting the impact of climate warming on soil C stocks in this region. Surface temperatures in 737 

boreal ecosystems have increased by approximately 2°C in the past 100 years, and these 738 

ecosystems are anticipated to warm by an additional 3−8°C in the next century (Wendler and 739 

Shulski 2009, IPCC 2013). One consequence of climate warming in boreal forests is an increase 740 

in wildfire activity. Climate warming and summer drought shift boreal forest fire dynamics to a 741 

fire regime characterized by a greater number of extreme fire years with large fires that burn at 742 

high severity (Gillett et al. 2004, Turetsky et al. 2011, de Groot et al. 2013). Models of future 743 

wildfire activity predict that the burned area in North American boreal forests could increase 2−5 744 

times by the end of the 21st century (Flannigan et al. 2005, Balshi et al. 2009, Euskirchen et al. 745 

2009). Increases in boreal wildfire activity that result from climate warming may alter soil C 746 

stocks in boreal forests through direct and indirect mechanisms. Directly, soil combustion during 747 

the fire releases soil C to the atmosphere. Indirectly, longer term changes in soil C stocks that 748 

result from increased boreal forest fires will be mediated by post-fire changes in microbial 749 

decomposition.  750 

Microbial decomposition governs the amount of soil C stored in an ecosystem, and the 751 

rate of decomposition is regulated by abiotic factors (i.e., temperature, moisture), the quantity 752 
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and quality of SOM available for decomposition, and the soil microbial community (Swift et al. 753 

1979, Aerts 1997, Cornwell et al. 2008, Prescott 2010). Classic ecosystem theory of secondary 754 

succession predicts that microbial decomposition increases following boreal forest fires (Chapin 755 

et al. 2011b, Harmon et al. 2011). Hypothesized post-fire increases in microbial decomposition 756 

are based on two critical assumptions. First, boreal forest fires create abiotic conditions that are 757 

more favorable to decomposition than the pre-fire abiotic conditions. Second, boreal forest fires 758 

increase the pool of labile C that is available to decomposer microbes. One estimate of microbial 759 

decomposition following a boreal forest fire concluded that the post-fire stimulation of microbial 760 

decomposition released as much C to the atmosphere as combustion emissions during the fire 761 

(Richter et al. 2000). Post-fire decomposition increases of this magnitude could substantially 762 

reduce soil C stocks and create a positive feedback between climate warming, wildfire 763 

occurrence, and C emissions from post-fire microbial decomposition.  764 

However, hypothesized post-fire increases in microbial decomposition align poorly with 765 

the observed response of soil microbial communities to boreal forest fires. Numerous studies 766 

have found that boreal forest fires decrease soil microbial biomass (Pietikainen and Fritze 1995, 767 

Smith et al. 2008, Dooley and Treseder 2012). Moreover, the recovery of microbial biomass 768 

following boreal forest fires can require more than a decade (Holden et al. 2013). Consistent with 769 

decreases in microbial biomass, the activity of microbial extracellular enzymes has been shown 770 

to decline following boreal forest fires (Waldrop and Harden 2008). Furthermore, additional 771 

studies that have measured litter decomposition in burned and unburned forests have found 772 

slower rates of litter decay in recently burned stands (Pietikainen and Fritze 1993, Brennan et al. 773 

2009, Holden et al. 2013). These observations call into question hypothesized post-fire increases 774 

in microbial decomposition and the responsible mechanisms. 775 



 72 

Microbial decomposition is predicted to increase following boreal forest fires in part 776 

because wildfires are assumed to create abiotic conditions that are favorable for decomposition. 777 

Cold temperatures and water-saturated soils in late successional boreal forests typically constrain 778 

the activity of decomposer microbes and lead to slow rates of decomposition (Van Cleve et al. 779 

1983). Boreal forest fires increase the amount of solar radiation that reaches the soil surface, 780 

because fires reduce canopy thickness and remove the insulating moss groundcover. As a 781 

consequence, growing season soil temperatures in recently burned stands are typically 5−10°C 782 

higher than in late successional stands (Treseder et al. 2004, Liu et al. 2005). Post-fire increases 783 

in soil temperature can also be accompanied by decreases in soil moisture (Holden et al. 2013). 784 

Microbial decomposition is often highest at intermediate moisture levels, when soils are dry 785 

enough that oxygen availability is not limited but not so dry that microbes have insufficient 786 

access to water (Chapin et al. 2011a). Thus, post-fire changes in microbial decomposition may 787 

depend on the degree of soil drying following the fire.  788 

Changes in the quantity and quality of SOM following boreal forest fires may also 789 

influence post-fire microbial decomposition. Fires can potentially increase SOM through C 790 

inputs from root death and partially combusted aboveground vegetation. In addition, soil 791 

nutrients often increase after fires due to the deposition of nutrient rich ash on the soil surface 792 

(Wan et al. 2001). Increased nutrient availability in nutrient-poor boreal soils may alleviate 793 

microbial nutrient limitation and stimulate decomposition. The higher quality litter of early 794 

successional plants relative to late successional plants might also stimulate microbial 795 

decomposition. On the other hand, boreal forest fires usually combust feathermoss groundcover 796 

and the uppermost portion of the organic horizon and thus may actually reduce the pool of SOM 797 

that is available for decomposition (Turetsky et al. 2011). There is also evidence that fire 798 
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combusts the more labile components of SOM and that the residual SOM is more enriched in 799 

complex molecules that are difficult for microbes to decompose (Czimczik et al. 2003, Neff et al. 800 

2005). Finally, although early successional plant litter is often of higher quality, total plant litter 801 

inputs to soil are reduced in the first few years following boreal forest fires as vegetation 802 

recovers (Mack et al. 2008). The net response of microbial decomposition to post-fire changes in 803 

the quality and quantity of SOM is unclear. 804 

In addition to abiotic factors and the characteristics of SOM, the soil microbial 805 

community exerts direct biotic control over decomposition. Indeed, recent studies have 806 

demonstrated that microbial community composition directly affects decomposition rates and 807 

CO2 production (Allison et al. 2013, Reed and Martiny 2013). Boreal forest fires have previously 808 

been shown to alter the composition of the soil microbial community. For example, recently 809 

burned stands in interior Alaska were dominated by ascomycete fungi, while late successional 810 

stands had a high abundance of basidiomycete fungi (Holden et al. 2013). Bacterial community 811 

composition in boreal forests is also sensitive to disturbance by fire (Smith et al. 2008, Xiang et 812 

al. 2014). However, the consequences of post-fire changes in soil microbial communities for 813 

decomposition have not been previously investigated.  814 

Overall, the response of microbial decomposition to boreal forest fires remains uncertain. 815 

This uncertainty hinders our ability to accurately predict C cycle and climate feedbacks that arise 816 

from increased wildfire activity (Allison and Treseder 2011). Therefore, the goals of our study 817 

were to understand how microbial decomposition changes following boreal forest fires and to 818 

examine the mechanisms that govern post-fire changes in microbial decomposition. We used a 819 

reciprocal transplant between a recently burned boreal forest stand and a late successional boreal 820 

forest stand to independently manipulate soil abiotic conditions, SOM, and the microbial 821 
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community. We then measured the consequences for microbial decomposition. Contrary to 822 

classic ecosystem theory of secondary succession, but in line with the findings from recent 823 

studies, we hypothesized that post-fire changes in abiotic conditions would reduce the rate of 824 

microbial decomposition. In addition, we predicted that changes in SOM following boreal forest 825 

fires would negatively affect microbial decomposition. Finally, we expected that post-fire 826 

microbial community changes would influence decomposition.  827 

 828 

Methods 829 

Study sites 830 

Our study was conducted in a boreal forest ecosystem in interior Alaska near the Pogo 831 

Gold Mine in the Tanana Valley State Forest. The local climate is cold and dry with a mean 832 

annual temperature of 2°C and a mean annual precipitation rate of 303 mm. Soils are primarily 833 

Inceptisols; permafrost is discontinuous in the region and was not present at the study sites.  834 

We selected two study sites representative of a recently burned boreal forest stand and a 835 

late successional boreal forest stand. The recently burned stand (hereafter, burned site) was 836 

located within the Gilles Creek Fire scar (N 64°20.095’, W 145°41.290’). The Gilles Creek fire 837 

was a lightning-caused crown fire that occurred from 26 May − 2 June 2010 and burned ~8000 838 

ha. The dominant pre-fire vegetation in the Gilles Creek fire scar was black spruce (Picea 839 

mariana B.S.P). The Gilles Creek fire burned at a range of fire severities, and our study site was 840 

located within a stand that experienced high fire severity (Rogers et al. 2014). At our study site, 841 

the fire caused complete stand mortality, and combusted nearly 100% of tree needles, cones, fine 842 

branches, understory vegetation, and feathermoss ground cover. Organic soils were also partially 843 
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combusted during the fire, and the average depth of burn in the fire scar was 17.5 cm (Rogers et 844 

al. 2014).  845 

The late successional boreal forest stand (hereafter, unburned site) was located adjacent 846 

to the Gilles Creek fire scar (N 64°20.500’, W 145°49.301’), and was selected to have similar 847 

climate, topography, potential biota, and parent material as the burned site. The unburned site 848 

had nearly 100% feathermoss groundcover, and the understory vegetation was dominated by 849 

deciduous shrubs, forbs, and graminoids (Holden et al. 2013).  850 

 851 

Reciprocal transplant 852 

We used a reciprocal transplant to test how post-fire changes in abiotic conditions, SOM 853 

composition, and soil microbial communities influence microbial decomposition following 854 

boreal forest fires. We used “microbial cages” to independently manipulate the abiotic 855 

environment, the origin of SOM, and the origin of the soil microbial community. Microbial 856 

cages are similar to litterbags, but are constructed of nylon mesh with 0.45 µM pores. This pore 857 

size restricts the colonization of microbial cages by fungi and most bacteria from the 858 

environment, but allows for the passage of water and solutes. The efficacy of microbial cages has 859 

been demonstrated in prior studies (Allison et al. 2013, Reed and Martiny 2013). Our experiment 860 

had 3 factors: abiotic environment (unburned or burned site), SOM origin (unburned or burned 861 

SOM), and soil microbial community origin (microbial community derived from unburned or 862 

burned site). These factors were manipulated in a fully factorial design, and we sampled 863 

microbial cages after 9, 12, and 24 months of decomposition. Each treatment combination was 864 

replicated 8 times per sampling date for a total of 192 microbial cages.  865 
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To manipulate the origin of decomposing SOM, we collected organic soil from the 866 

unburned and burned site. Organic soils from the Oe horizon were collected by hand from each 867 

site in July 2011, air dried, and homogenized by hand. Any sticks or rocks that were present in 868 

the soil samples were removed. We placed 2 g of dried SOM into 10 cm × 10 cm microbial 869 

cages. Microbial cages and SOM were sterilized with at least 22 kGy gamma irradiation. Sterility 870 

was verified by plating SOM on lysogeny broth and potato dextrose agar. Following sterilization, 871 

microbial cages were inoculated with soil microbes from either the unburned site or the burned 872 

site. Inoculum was prepared by mixing 1 g SOM in 1 L sterile deionized water and stirring for 5 873 

minutes. Each microbial cage was inoculated with 1 ml of inoculum. We previously 874 

characterized the composition of the soil fungal community from the unburned and burned site, 875 

and we found that fungal communities between the two sites differenced significantly in their 876 

proportional abundance of ascomycete and basidiomycete fungi (Holden et al. 2013).  877 

 Microbial cages were placed on the organic soil surface in the unburned and burned site 878 

in 8 replicate blocks on 4 September 2011. Microbial cages were collected in batches of 64 on 9 879 

May 2012, 29 August 2012, and 27 August 2013. Following collection, we immediately 880 

measured the respiration of microbes decomposing SOM in the microbial cages (see “microbial 881 

respiration” below) and microbial cages were then placed on ice and transported to UC Irvine 882 

(Irvine, CA, USA). Microbial cages were stored at 4°C until processing. All microbial cages 883 

were processed within 72 hours of collection from the field. 884 

 885 

Initial chemical composition of soil organic matter 886 

We measured C and nitrogen (N) concentrations on 6 subsamples of unburned and 887 

burned SOM by combustion on an elemental analyzer (FlashEA 1112, Thermo Fisher Scientific, 888 
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Waltham, MA, USA). In addition, we characterized the initial chemical composition of SOM 889 

from the unburned and burned site using solid-state 13C nuclear magnetic resonance (NMR) on a 890 

Varian Infinity CMX 300 MHz spectrometer at the William R. Wiley Environmental Molecular 891 

Sciences Laboratory at the Pacific Northwest National Laboratory. We obtained 13C -NMR 892 

spectra for 3 subsamples of unburned and burned SOM. Each sample was packed in a 4-mm 893 

zirconia rotor and fitted with boron-nitride spacers and KEL-F (low carbon) caps. A ramped (13C 894 

pulse) cross polarization magic angle spinning (CPMAS) pulse sequence was used. The contact 895 

time was 1 ms, the spinning rate was 10 kHz, and the decoupling field was 63-55 kHz. The C 896 

chemical shifts were referenced to tetramethylsilane (0 ppm) using an external reference, 897 

hexametabenzene (HMB, 16.81 ppm). We took up to 50,000 scans for each sample. After 898 

Fourier transformation, we applied a line broadening of 100 Hz to all samples. The chemical 899 

fingerprint of C composition in SOM can be inferred by dividing the 13C -NMR spectra into 900 

seven chemical shift regions that correspond to seven functional groups (Baldock et al. 1997, 901 

Baldock et al. 2004) as Alkyl-C (0-45 ppm), N-alkyl, methoxyl (45-60 ppm), O-alkyl-C (60-95 902 

ppm), di-O-alkyl (95-110 ppm); aromatic-C (110-160 ppm); phenolic (145-165 ppm), carboxyl- 903 

C (165-215 ppm). The proportion of C in each functional group was computed by integrating the 904 

area under the individual peaks of the functional group region (Swift 1996). All spectra 905 

processing was performed using MestReC software (version 4.59, Universidad de Santiago de 906 

Compostela, Spain). 907 

 908 

Microbial respiration 909 

We used 0.5 L glass jars fitted with airtight sampling ports to measure the respiration of 910 

microbes decomposing SOM in each microbial cage. Immediately following collection, fresh 911 
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plant litter and soil were gently removed from microbial cages, and microbial cages were placed 912 

into incubation jars and incubated for 30 minutes. During the incubation period, incubation jars 913 

were placed in a shallow trench in the organic horizon of the unburned or burned site, in order to 914 

mimic the abiotic conditions experienced by microbial cages while in the field. After 30 minutes, 915 

CO2 accumulation in the headspace of the incubation jar was measured using an infrared gas 916 

analyzer (PP Systems EGM-4, Amesbury, MA, USA). Respiration is expressed as µg CO2-C per 917 

g SOM per hour.  918 

 919 

Mass loss 920 

Following collection, microbial cages were carefully examined for holes in the nylon 921 

mesh. Microbial cages that had been damaged during incubation in the field were excluded from 922 

further analysis. All together, 8, 16, and 17 litterbags were discarded from the 9, 12, and 24 923 

month collections, respectively. To determine mass loss, we weighed the SOM in each bag. A 924 

subsample of SOM was dried at 65°C to constant mass and used to calculate moisture content 925 

and dry mass. Mass loss was determined as the difference between the initial dry mass and the 926 

final dry mass of SOM.  927 

 928 

Microbial biomass 929 

Active microbial biomass in microbial cages was measured using the substrate-induced 930 

respiration (SIR) method (Anderson and Domsch 1978). A one-gram subsample of SOM (fresh 931 

weight) from each microbial cage was placed in an airtight 40 ml glass vial. Samples were 932 

amended with 0.1 ml glucose solution (10 mg glucose g-1 soil), and incubated at 22°C for 4 h 933 

shaking at 100 r.p.m (Lavoie and Mack 2012). Headspace gas samples were collected at 2 and 4 934 
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h and CO2 concentrations were determined using an infrared gas analyzer. SIR responsive 935 

microbial biomass is expressed as µg CO2-C per g SOM per hour.  936 

 937 

Statistical analyses 938 

We used Welch’s t tests to detect significant differences in C, N, and percentage 939 

composition of chemical functional groups in unburned and burned SOM. The effects of abiotic 940 

environment, SOM origin, and microbial community origin on respiration, mass loss, moisture 941 

content of decomposing SOM, and microbial biomass were analyzed using a factorial mixed- 942 

model ANOVA with repeated measures (hereafter, overall ANOVA). The model included 943 

abiotic environment, SOM origin, microbial community origin, collection date, and their 944 

interactions as fixed effects. Subject nested within block was included as a random effect. We 945 

define subject as the set of 3 microbial cages with the same block, abiotic environment, SOM 946 

origin, and microbial community origin. Each subject was sampled once per sampling date. The 947 

actual number of microbial cages per treatment per collection date varied from 5−8 because 948 

some microbial cages were damaged during incubation at the field sites. Therefore, significance 949 

tests were based on type III sums of squares to account for the unbalanced number of replicates. 950 

If the fixed effects or their interactions were significant, we performed ANOVAs on each 951 

sampling date with block as a random effect (hereafter, post hoc ANOVA). If ANOVAs were 952 

significant, comparisons among means were analyzed by Tukey’s HSD posthoc contrasts. 953 

Respiration data were square root transformed and moisture content data were arcsine square 954 

root transformed to improve normality and reduce heteroscedasticity. Statistical analyses were 955 

performed using the nlme and stats packages in the R software environment (R Core 956 

Development Team 2011).   957 
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 958 

Results 959 

Abiotic environment effects 960 

Overall, we found that post-fire changes in abiotic conditions had a negative effect on 961 

microbial decomposition. Soil organic matter decomposing at the burned site lost significantly 962 

less mass than SOM decomposing at the unburned site (P = 0.031 for abiotic environment effect, 963 

overall ANOVA; Table 3.1; Figure 3.1A). After 24 months of decomposition, mass loss was 964 

23.6% ± 0.7% in the unburned site but only 16.3% ± 0.6% in the burned site. In addition, the 965 

respiration of microbes decomposing SOM in microbial cages showed a significant abiotic 966 

environment by collection date interaction (P = 0.028, overall ANOVA; Table 3.1). Microbial 967 

cages decomposing at the burned site respired significantly less CO2 than microbial cages from 968 

the unburned site after 9 (P = 0.029, post hoc ANOVA; Table S3.1) and 24 (P < 0.001, post hoc 969 

ANOVA; Table S3.1) months of decomposition. This effect was strongest after 24 months of 970 

decomposition, when respiration was reduced by 55.4% in burned site microbial cages. 971 

However, microbial respiration did not differ between the two sites after 12 months of 972 

decomposition (Figure 3.2).  973 

Similar to respiration, we found that the moisture content of decomposing SOM showed a 974 

significant abiotic environment by collection date interaction (P < 0.001, overall ANOVA; Table 975 

3.1). At the 24 month collection, SOM at the burned site had 62.3% less moisture than SOM at 976 

the unburned site (P < 0.001, post hoc ANOVA; Table S3.1; Figure 3.3A). At the 9 month 977 

collection in May 2012, SOM from both sites was relatively dry and did not differ significantly. 978 

In contrast, at the 12 month collection in August 2012, it rained on the day of sampling and the 979 
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moisture content of decomposing SOM was relatively high and did not differ significantly 980 

between the two locations (Table S3.1; Figure 3.3A).  981 

The effect of abiotic conditions on soil microbial biomass was inconsistent throughout 982 

the course of the experiment. Microbial biomass did not differ between the unburned and burned 983 

site after 9 months of decomposition, but microbial biomass was significantly higher at the 984 

burned site after 12 months of decomposition (P = 0.015, post hoc ANOVA; Table S3.1; Figure 985 

3.4A). On the other hand, microbial biomass was significantly higher at the unburned site after 986 

24 months of decomposition (P < 0.001, post hoc ANOVA; Table S3.1; Figure 3.4A).  987 

 988 

Soil organic matter effects 989 

Soil organic matter from the unburned and burned site did not differ significantly in 990 

percentage C or N (%C: t = 0.880, P = 0.405; %N: t = 1.302, P = 0.225). In addition, we found 991 

no detectable differences in the chemical composition of unburned and burned SOM using 13C 992 

NMR (Figure 3.5). Both unburned and burned SOM was comprised primarily of O-alkyl-C and 993 

alkyl-C (Figure 3.5). Despite having no detectable differences in initial chemical composition, 994 

burned SOM overall had slightly, but significantly, lower moisture than unburned SOM (P = 995 

0.048, overall ANOVA; Table 3.1; Figure 3.3B).  996 

Although we did not detect differences in the initial chemical composition of SOM using 997 

13C NMR spectroscopy, we found some evidence that post-fire changes in SOM had a negative 998 

effect on microbial decomposition. For example, after 24 months of decomposition, burned SOM 999 

lost 18.2% less mass than unburned SOM (P = 0.009, post hoc ANOVA; Table S3.1; Figure 1000 

3.1B). In addition, the overall ANOVA indicated that there was a significant abiotic environment 1001 

by SOM origin interaction (P = 0.049, overall ANOVA; Table 3.1). Specifically, we observed 1002 
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that burned SOM lost less mass than unburned SOM when both were decomposing at the 1003 

unburned site (Figure 3.1C). In addition, there was a strong effect of SOM origin on soil 1004 

microbial biomass. Burned SOM had significantly lower microbial biomass than unburned SOM, 1005 

and this pattern was consistent across each sampling date (P < 0.001, overall ANOVA; Table 1006 

3.1; Figure 3.4B). However, we found no main effects or interactions of SOM origin on 1007 

microbial respiration (Table 3.1).  1008 

 1009 

Microbial community effects 1010 

There were no significant effects of microbial community origin on mass loss, 1011 

respiration, moisture content, or soil microbial biomass (Table 3.1).  1012 

 1013 

Discussion 1014 

Climate warming will likely increase wildfire occurrence in boreal forests, with uncertain 1015 

consequences for microbial decomposition and soil C stocks. Our study is among the first to 1016 

measure post-fire microbial decomposition of SOM in an Alaskan boreal forest. Contrary to 1017 

predictions from classic ecosystem theory of secondary succession, we found that boreal forest 1018 

fires suppress microbial decomposition. Furthermore, by independently manipulating abiotic 1019 

conditions, the origin of SOM, and the origin of the soil microbial community, we were able to 1020 

test the mechanisms that govern post-fire changes in microbial decomposition. Our results 1021 

indicate that the rate of microbial decomposition is slower in recently burned stands because of 1022 

post-fire changes in abiotic conditions and the quality of SOM. We did not find evidence that 1023 

changes in the composition of the soil microbial community that result from boreal forest fires 1024 

influence post-fire microbial decomposition.  1025 
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In support of our hypothesis that post-fire changes in abiotic conditions reduce the rate of 1026 

microbial decomposition, we found that SOM decomposing at the recently burned site lost 1027 

30.9% less mass over the course of the experiment than SOM decomposing at the unburned site. 1028 

Our data suggest that one abiotic factor that may constrain microbial decomposition in recently 1029 

burned stands is water availability. For example, after 24 months of decomposition, we observed 1030 

that SOM decomposing at the unburned site had more than twice the amount of moisture as 1031 

SOM decomposing at the burned site. Although we did not observe a significant difference in the 1032 

moisture content of SOM at the 9 month collection, this is likely because the 9 month collection 1033 

occurred during the spring after snowmelt but before any summer precipitation. Likewise, SOM 1034 

from both sites had relatively high moisture content and did not differ at the 12 month collection, 1035 

but this is likely because it rained heavily on the day of sampling. Overall, we argue that soil 1036 

microbes in the burned site were experiencing greater moisture stress. This assertion is supported 1037 

by additional studies that have reported significant declines in soil moisture following boreal 1038 

forest fires (Harden et al. 2006, Waldrop and Harden 2008, Holden et al. 2013).   1039 

The respiration of microbes decomposing SOM in the microbial cages also suggests that 1040 

water availability governs microbial activity following boreal forest fires. For example, we 1041 

observed no difference in microbial respiration at the 12 month collection when both sites had a 1042 

relatively high moisture content. On the other hand, the significant reduction in moisture at the 1043 

burned site at the 24 month collection coincided with a greater than 50% drop in microbial 1044 

respiration. Thus, even though recently burned boreal forest stands have higher soil 1045 

temperatures, at our study site soil warming was accompanied by soil drying. Moisture 1046 

availability appears to represent a greater constraint on microbial activity than soil temperature. 1047 

This conclusion is consistent with a soil warming experiment located in a nearby mature boreal 1048 
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forest stand that observed moisture limitation of soil microbial activity with soil warming 1049 

(Allison and Treseder 2008). Moreover, soil moisture has previously been shown to govern 1050 

microbial activity and litter decomposition in high latitude forests of North America (Prescott et 1051 

al. 2004, Hackl et al. 2005, Brockett et al. 2012). These findings imply that we cannot accurately 1052 

predict microbial decomposition rates in boreal forests from data on soil temperature alone. It is 1053 

also important to note that we cannot rule out that there may be additional unmeasured abiotic 1054 

factors that differed between the unburned and burned site that are partially contributing to the 1055 

patterns that we observed.  1056 

We used 13C NMR to characterize the molecular structure of unburned and burned SOM. 1057 

This analysis indicated that approximately 60% of SOM from both sites was in alkyl-C and O- 1058 

alkyl-C functional groups. These functional groups correspond primarily to simple proteins, 1059 

lipids, and carbohydrates (Baldock et al. 1992, Baldock et al. 2004), and these functional groups 1060 

represent relatively labile compounds that can be readily metabolized by microbes. The high 1061 

proportional abundance of labile compounds in SOM from both sites explains why we observed 1062 

measurable mass loss of SOM over the course of two years. However, as expected, the 1063 

decomposition rate of SOM was slower than the decomposition rate of fresh plant litter 1064 

decomposing in boreal forests (Talbot and Treseder 2012, Holden et al. 2013). We did not detect 1065 

differences in the abundance of chemical functional groups between unburned and burned SOM 1066 

using 13C NMR, and SOM did not differ in total concentrations of C or N.  1067 

Although we did not detect differences in the chemical composition of SOM using 13C 1068 

NMR, we found some support for our hypothesis that changes in SOM following boreal forest 1069 

fires negatively affect microbial decomposition. This effect was most evident after 24 months of 1070 

decomposition, when burned SOM lost significantly less mass than unburned SOM. In addition, 1071 
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at the earlier stages of decomposition we observed that burned SOM lost less mass than 1072 

unburned SOM when both were decomposing at the unburned site. Furthermore, burned SOM 1073 

consistently had lower microbial biomass than unburned SOM.  1074 

There are several possible explanations for the observed negative effect of burned SOM 1075 

on microbial decomposition. First, organic soil at the burned site was visibly charred from the 1076 

fire, and this incomplete combustion very likely created refractory and oxidation-resistant C in 1077 

SOM (González-Pérez et al. 2004). We may not have detected these compounds with 13C NMR 1078 

because we sampled the entirety of the Oe soil horizon, but only the upper most portion of this 1079 

horizon was intensely burned. Despite not being detected with 13C NMR, any refractory and 1080 

oxidation-resistant C in burned SOM may have had an inhibitory effect on microbial growth and 1081 

decomposition. Second, we observed that burned SOM had significantly less moisture than 1082 

unburned SOM, potentially because charring increases soil hydrophobicity (DeBano 2000, 1083 

O'Donnell et al. 2009). The lower moisture content of burned SOM may have exacerbated 1084 

microbial moisture limitation at the burned site and further suppressed decomposition. 1085 

Nevertheless, post-fire changes in SOM and the consequences for microbial decomposition 1086 

warrant further research.  1087 

Contrary to our initial hypothesis that post-fire microbial community changes would 1088 

influence decomposition, we observed no significant effects of microbial community origin on 1089 

SOM mass loss or respiration. We previously demonstrated that soil fungal communities from 1090 

the unburned and burned site differed in their relative abundance of ascomycete and 1091 

basidiomycete fungi (Holden et al. 2013). However, these differences did not appear to affect the 1092 

early stages of SOM decomposition. These findings imply that there may be some degree of 1093 

functional redundancy among boreal soil fungi, and are consistent with the observation of 1094 
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functional redundancy from previous studies (Setälä and McLean 2004, Rousk et al. 2009). It is 1095 

also possible that, given a longer decomposition period, significant effects of fungal community 1096 

composition would have emerged. We can also not rule out that there was migration of some 1097 

bacteria from the environment into the microbial cages that affected decomposition rates. 1098 

Previous decomposition experiments have found evidence for a “home field advantage” in which 1099 

microbial communities decompose litter from their home site faster than litter from foreign sites 1100 

(Ayres et al. 2009, Strickland et al. 2009). However, in our study we did not find any evidence 1101 

for home field advantage. This discrepancy may stem from the fact that most studies that have 1102 

found evidence for home field advantage have used plant litter types that vary substantially in 1103 

their initial chemistry. Overall, in agreement with Cleveland et al. (2014), our data suggest that 1104 

abiotic factors and SOM quality are more important than microbial community composition in 1105 

determining decomposition rates.  1106 

The results of our study should be interpreted with several caveats in mind. For example, 1107 

our study was conducted in a single boreal forest ecosystem and our findings may not be 1108 

representative of all boreal forests. In particular, permafrost is discontinuous in our study area 1109 

and permafrost was not present at our study sites. The presence of permafrost likely influences 1110 

post-fire soil moisture and might moderate microbial moisture limitation following boreal forest 1111 

fires. Additional studies in a wide variety of boreal ecosystems would further clarify the response 1112 

of microbial decomposition to wildfires. Furthermore, our study was conducted over the course 1113 

of two years, but a longer decomposition period might be required to observe all significant 1114 

effects. Finally, we did not initiate our study until 14 months after the fire, and thus we may not 1115 

have captured the most immediate effects of boreal forest fires on microbial decomposition.   1116 
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In conclusion, we found strong evidence that boreal forests fire suppress microbial 1117 

decomposition. Although soil temperatures increase following boreal forest fires, our results 1118 

indicate that microbial decomposition was inhibited because of post-fire decreases in soil 1119 

moisture and the quality of SOM. These findings challenge the prediction from classic ecosystem 1120 

theory of secondary succession that boreal forest fires stimulate microbial decomposition, and 1121 

suggest there is not a positive feedback between climate warming, wildfire occurrence, and post- 1122 

fire microbial decomposition. Overall, the net effect of increased wildfires on soil C stocks in 1123 

boreal forests will likely be a balance between increased combustion emissions from fires and 1124 

decreased C emissions from inhibited microbial decomposition following the fire. Therefore, 1125 

Earth System Models that predict the impact of climate warming on C storage in boreal forests 1126 

may need to account for the negative response of microbial decomposition to boreal forest fires 1127 

despite increases in soil temperature.   1128 

 1129 

 1130 

 1131 

 1132 

 1133 

 1134 

 1135 

 1136 

 1137 

 1138 

 1139 
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Tables 1140 

Table 3.1. Overall ANOVA statistics for factors affecting mass loss, microbial respiration, 1141 
moisture content of decomposing SOM, and microbial biomass.  1142 
 1143 

   Mass loss  Respiration  Moisture 
content 

 Microbial 
Biomass 

Factor df  F P  F P  F P  F P 

Abiotic 
environmenta (A) 

1, 113  5.73 0.031  0.05 0.821  0.22   0.649  1.39   0.259 

SOM originb (S) 1, 113  0.73 0.396  0.23   0.633  3.99 0.048  20.85 <0.001 

Microbe originc 

(M) 

1, 113  0.16 0.692  0.002 0.962  0.001 0.974  3.09 0.081 

Collection dated 

(D) 

2, 113  27.76 <0.001  4.04 0.021  474.70   <0.001  6.39 0.002 

A × S 1, 113  3.96 0.049  0.001  0.988  2.46   0.120  0.68   0.412 

A × M 1, 113  0.01  0.944  0.02 0.880  0.07   0.797  0.69 0.406 

A × D 2, 113  1.47  0.233  3.70 0.028  100.37   <0.001  10.77   <0.001 

S × M 1, 113  0.94 0.601  0.37  0.544  1.74 0.189  1.16   0.284 

S × D 2, 113  3.71  0.028  1.64   0.200  0.91   0.408  1.81  0.181 

M × D 2, 113  0.53 0.587  1.11 0.335  0.54 0.583  1.01   0.369 

A × S × M 1, 113  1.88  0.173  0.01   0.939  1.74 0.190  0.37 0.544 

A × S × D 2, 113  0.79   0.457  1.19   0.309  1.02 0.363  2.56 0.082 

A × M × D 2, 113  0.02  0.976  0.68 0.508  0.38   0.685  0.38 0.686 

S × M × D 2, 113  0.17  0.844  0.04   0.961  1.11 0.332  0.67 0.516 

A × S × M × D 2, 113  0.47  0.626  0.02   0.984  0.64 0.528  0.88 0.417 

Significant P values (< 0.05) are shown in bold 1144 
a Abiotic environment refers to microbial cages decomposing at either the unburned or burned 1145 
site 1146 
b SOM origin refers to soil organic matter collected from either the unburned site or burned site 1147 
c Microbe origin refers to soil microbial community inoculum derived from either the unburned 1148 
or burned site 1149 
d Litterbags were collected after 9, 12, and 24 months of decomposition 1150 
 1151 

 1152 

 1153 

 1154 

 1155 
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 1156 

Figures 1157 

 1158 

Figure 3.1. Percentage mass loss (mean ± SE) over time in response to abiotic conditions (A), 1159 
SOM origin (B), and the interaction between abiotic conditions and SOM origin for the 1160 
September 2012 sampling date (C). Asterisks (A-B) denote significant differences in percentage 1161 
mass loss for a given date (P < 0.05 for post hoc ANOVA). Different letters (C) indicate 1162 
significant differences in percentage mass loss among treatments (P < 0.05 for Tukey’s HSD 1163 
post hoc contrasts).  1164 
 1165 

 1166 

 1167 

 1168 

 1169 

 1170 

 1171 

 1172 

 1173 

 1174 

 1175 

 1176 
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 1177 

 1178 

Figure 3.2. Microbial respiration (mean ± SE) over time in response to the abiotic environment. 1179 
Asterisks denote significant differences in respiration between the unburned and burned site on a 1180 
given date (P < 0.05 for post hoc ANOVA). 1181 
 1182 

 1183 

 1184 

 1185 

 1186 

 1187 

 1188 

 1189 

 1190 

 1191 
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 1192 

 1193 

Figure 3.3. The moisture content of decomposing SOM (mean ± SE) over time in response to 1194 
abiotic conditions (A), and averaged over each sampling date in response to SOM origin (B). 1195 
Asterisk in A denotes a significant difference in moisture content at the 24 month collection (P < 1196 
0.05 for post hoc ANOVA). Asterisk in B denotes a significant difference in moisture content 1197 
between unburned and burned SOM averaged over each sampling date (P < 0.05 for overall 1198 
ANOVA). 1199 
 1200 

 1201 

 1202 

 1203 

 1204 

 1205 

 1206 

 1207 

 1208 

 1209 

 1210 
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 1211 

 1212 

Figure 3.4. Soil microbial biomass (mean ± SE) over time in response to abiotic conditions (A) 1213 
and SOM origin (B). Asterisks denote significant differences in microbial biomass on a given 1214 
date (P < 0.05 for post hoc ANOVA). 1215 
 1216 

 1217 

 1218 

 1219 

 1220 

 1221 

 1222 

 1223 

 1224 

 1225 

 1226 

 1227 

 1228 
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 1229 

 1230 

Figure 3.5. Proportions of chemical functional groups in unburned and burned SOM. We did not 1231 
detect significant differences in the proportional abundance of chemical functional groups 1232 
between unburned and burned SOM. Data represent mean ± SE (n = 3).  1233 
 1234 

 1235 

 1236 

 1237 

 1238 

 1239 

 1240 

 1241 

 1242 

 1243 
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Supplemental Tables 1244 

Table S3.1. Post hoc ANOVA statistics for factors affecting mass loss, microbial respiration, 1245 
moisture content, and microbial biomass at each collection date. 1246 
 1247 

Significant P values (< 0.05) are shown in bold 1248 
SOM = soil organic matter 1249 
 1250 

  9 months 12 months 24 months 
Response 
Variable Factor F P df F P df F P df 
Mass loss           
 Abiotic 

environment (A) 
7.55 0.016 1, 34 11.20 0.005 1, 26 18.03 0.001 1, 25 

 SOM origin (S) 0.98 0.330 1, 34 0.01 0.988 1, 26 7.94 0.009 1, 25 
 Microbe origin 

(M) 
0.20 0.655 1, 34 0.22 0.643 1, 26 2.77 0.108 1, 25 

 A × S 5.41 0.026 1, 34 4.59 0.042 1, 26 0.24 0.631 1, 25 
 A × M 0.01 0.947 1, 34 0.10 0.760 1, 26 0.02 0.882 1, 25 
 S × M 0.35 0.558 1, 34 0.85 0.364 1, 26 1.65 0.211 1, 25 
 A × S × M 2.53 0.121 1, 34 4.78 0.038 1, 26 2.07 0.163 1, 25 
Respiration           
 Abiotic 

environment (A) 
5.92 0.029 1, 34 0.41 0.532 1, 26 17.60 <0.001 1, 25 

 SOM origin (S) 3.94 0.059 1, 34 3.85 0.061 1, 26 0.04 0.844 1, 25 
 Microbe origin 

(M) 
0.01 0.965 1, 34 0.72 0.406 1, 26 0.19 0.670 1, 25 

 A × S 1.47 0.238 1, 34 4.10 0.054 1, 26 1.14 0.297 1, 25 
 A × M 0.14 0.711 1, 34 1.29 0.267 1, 26 0.01 0.998 1, 25 
 S × M 1.48 0.235 1, 34 0.13 0.720 1, 26 0.05 0.825 1, 25 
 A × S × M 0.26 0.617 1, 34 0.39 0.540 1, 26 0.01 0.957 1, 25 
           
Moisture 
content 

          

 Abiotic 
environment (A) 

0.16 0.698 1, 34 0.49 0.494 1, 26 214.01 <0.001 1, 25 

 SOM origin (S) 4.49 0.041 1, 34 1.44 0.242 1, 26 3.49 0.074 1, 25 
 Microbe origin 

(M) 
0.02 0.882 1, 34  3.55 0.071 1, 26 0.80 0.379 1, 25 

 A × S 2.49 0.124 1, 34 0.73 0.401 1, 26 0.08 0.773 1, 25 
 A × M 0.06 0.810 1, 34 0.24 0.630 1, 26 0.46 0.504 1, 25 
 S × M 2.11 0.16 1, 34 2.95 0.098 1, 26 0.16 0.695 1, 25 
 A × S × M 1.85 0.183 1, 34 0.02 0.896 1, 26 0.18 0.672 1, 25 
Microbial 
biomass 

          

 Abiotic 
environment (A) 

1.12 0.309 1, 34 7.71 0.015 1, 26 21.05 <0.001 1, 25 

 SOM origin (S) 16.73 <0.001 1, 34 15.86 <0.001 1, 26 14.19 <0.001 1, 25 
 Microbe origin 

(M) 
3.08 0.088 1, 34 1.13 0.297 1, 26 0.04 0.835 1, 25 

 A × S 0.54 0.466 1, 34 0.37 0.547 1, 26 0.77 0.390 1, 25 
 A × M 0.56 0.460 1, 34 0.25 0.624 1, 26 0.41 0.527 1, 25 
 S × M 0.93 0.342 1, 34 1.23 0.278 1, 26 0.20 0.656 1, 25 
 A × S × M 0.30 0.589 1, 34 1.11 0.302 1, 26 1.45 0.239 1, 25 
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CHAPTER 4 1251 

The effect of fire on microbial biomass: a meta-analysis of field studies 1252 

Abstract 1253 

 Soil microbes regulate the transfer of carbon (C) from ecosystems to the atmosphere and 1254 

in doing so influence feedbacks between terrestrial ecosystems and global climate change. Fire is 1255 

one element of global change that may influence soil microbial communities and, in turn, their 1256 

contribution to the C dynamics of ecosystems. In order to improve our understanding of how fire 1257 

influences belowground communities, we conducted a meta-analysis of 42 published microbial 1258 

responses to fire. We hypothesized that microbial biomass as a whole, and fungal biomass 1259 

specifically, would be altered following fires. Across all studies, fire reduced microbial 1260 

abundance by an average of 33.2% and fungal abundance by an average of 47.6%. However, 1261 

microbial responses to fire differed significantly among biomes and fire types. For example, 1262 

microbial biomass declined following fires in boreal and temperate forests but not following 1263 

grasslands fires. In addition, wildfires lead to a greater reduction in microbial biomass than 1264 

prescribed burns. These differences are likely attributable to differences in fire severity among 1265 

biomes and fire types. Changes in microbial abundance were significantly correlated with 1266 

changes in soil CO2 emissions. Altogether, these results suggest that fires may significantly 1267 

decrease microbial abundance, with corresponding consequences for soil CO2 emissions.   1268 

 1269 

Introduction 1270 

Soil microbes play a critical role in mediating feedbacks between terrestrial ecosystems 1271 

and global climate change. Bacteria and fungi regulate the transfer of C from terrestrial 1272 

ecosystems to the atmosphere via the decomposition of organic material in soil (Swift et al. 1273 
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1979). In doing so, microbes directly influence the concentration of CO2 in the atmosphere. 1274 

Microbes are also sensitive to global change factors, including changes in temperature (Rustad et 1275 

al. 2001, Allison and Treseder 2008, Frey et al. 2008), soil nutrients (Allison et al. 2008, 1276 

Demoling et al. 2008, Allison et al. 2010), and moisture availability (Salamanca et al. 2003, 1277 

Hawkes et al. 2011). Fire is one additional aspect of global climate change that may impact soil 1278 

microbial communities and, in turn, the way that ecosystem C dynamics recover following fire. 1279 

Fires are a pervasive disturbance in natural ecosystems, and the frequency and severity of 1280 

wildfires is anticipated to increase in forest biomes under future warmer and drier climate 1281 

patterns (Balshi et al. 2009, Flannigan et al. 2009a, Pechony and Shindell 2010). Climate-linked 1282 

increases in wildfire activity are already evident in forests across the western United States 1283 

(Westerling et al. 2006, Miller et al. 2009) and boreal forests especially (Kasischke and Stocks 1284 

2000). A more complete understanding of the way in which fire affects soil microbes is 1285 

necessary for predicting ecosystem C dynamics under future global change. 1286 

Fires may negatively affect total soil microbial abundance through both direct and 1287 

indirect mechanisms (Figure 4.1). Direct heat transfer to soils during fire may lead to heat- 1288 

induced microbial mortality (Hart et al. 2005, Cairney and Bastias 2007). Both laboratory and 1289 

field studies have indicated that fatal temperatures for microbes can be less than 100 °C (DeBano 1290 

et al. 1998), which is below the surface and subsurface temperatures achieved during many fires 1291 

(Frandsen and Ryan 1986, Hernandez et al. 1997, Neary et al. 1999). Fires also alter soil physical 1292 

and chemical properties like hydrophobicity, nutrient concentrations, and C quality and these 1293 

changes may in turn have negative consequences for microbes (Certini 2005). For example, 1294 

burning has been shown to increase soil water repellency and hydrophobicity, resulting in soil 1295 

drying (DeBano 2000, O'Donnell et al. 2009). Additionally, nutrient volatilization during intense 1296 
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fires decreases long-term nutrient availability in soil (Wan et al. 2001), which may inhibit 1297 

microbial growth. Declines in microbial abundance following fires may also be attributable to 1298 

post-fire changes in soil C. Indeed, the quantity and quality of soil C is reduced following fires in 1299 

boreal forests (Neff et al. 2005) and these changes are associated with a concurrent decline in 1300 

microbial biomass (Waldrop and Harden 2008).  1301 

Alternatively, post-fire changes in soil properties may increase total microbial abundance 1302 

(Figure 4.1). Ash deposition following fires increases the availability of inorganic nitrogen (N) in 1303 

soil (Grogan et al. 2000b, Wan et al. 2001, Peay et al. 2009). Post-fire N availability may also 1304 

increase due to higher rates of N mineralization. This pulse of available soil N could stimulate 1305 

microbial growth by alleviating nutrient limitations. In addition, post-fire decreases in 1306 

aboveground vegetation reduce evapotranspiration, which may in turn increase soil moisture 1307 

content (Moore and Keeley 2000). Furthermore, decreases in soil shading can lead to higher soil 1308 

temperatures in the years following a fire (Treseder et al. 2004). Higher soil temperatures 1309 

following fires may promote the growth of bacteria and fungi, especially in ecosystems where 1310 

microbial growth is strongly limited by temperature.  1311 

Soil fungal responses to fire may differ from the response of the microbial community as 1312 

a whole. Fungi are tolerant of acidic soils and are typically dominate members of the microbial 1313 

community in soils with low pH, while bacterial abundance in soil increases from low to high pH 1314 

(Rousk et al. 2010, Bárcenas-Moreno et al. 2011). Ash deposition following fires increases soil 1315 

pH (Peay et al. 2009), which may favor the growth of bacteria and result in fungal declines.  In 1316 

soil heating trials, fungi also appear to be more heat sensitive than bacteria (Bollen 1969), 1317 

suggesting that fungi may be more severely affected by fire than the microbial community as a 1318 

whole. However, reported decreases in fungal abundance following fires (Hamman et al. 2007, 1319 
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Rutigliano et al. 2007) are difficult to reconcile with the observation that certain fungal species 1320 

are fire-adapted and fruit abundantly following fires (Wicklow 1973, 1975). Thus, changes in 1321 

total soil fungal abundance following fires remain unclear. Since fungi are important 1322 

decomposers of recalcitrant C compounds in soil, fire-induced changes in soil fungal abundance 1323 

may affect the turnover and storage of recalcitrant soil C.   1324 

Post-fire changes in soil chemical and biological properties vary in their duration and this 1325 

may have consequences for the recovery of microbial biomass following fires. For example, the 1326 

rapid regeneration of fire-adapted vegetation may nullify changes in soil moisture and soil 1327 

temperature within the first few years following a fire (Cave and Patten 1984). Moreover, 1328 

increases in inorganic N availability may be transient if plants and soil microbes can readily 1329 

assimilate this nutrient pulse. Conversely, nutrient volatilization during fires may decrease total 1330 

ecosystem N for decades following a fire (Harden et al. 2003). Soil organic C also recovers 1331 

slowly, especially following intense fires that consume the majority of the organic horizon 1332 

(González-Pérez et al. 2004). We currently have a limited understanding of how soil microbial 1333 

communities recover from fire.  1334 

Numerous studies have measured changes in microbial abundance following fires, but the 1335 

results among these studies are inconsistent. Some studies find increases in microbial abundance 1336 

following fires, while others report negative microbial responses to fire. In addition, few studies 1337 

have examined microbial responses to fire over longer timescales (i.e. years to decades). 1338 

Consequently, it is unclear how projected increases in fire activity will affect microbial biomass 1339 

on short and long timescales. Because soil microbes regulate C loss from ecosystems, this is a 1340 

key uncertainty that hinders our ability to predict the magnitude and duration of feedbacks 1341 

between fire and global climate change. In this study we synthesize the existing literature 1342 
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regarding how fire alters soil microbial abundance by conducting a meta-analysis of published 1343 

microbial responses to fire. We hypothesized that fires would alter microbial abundance, but that 1344 

wildfires would elicit greater changes in microbial biomass than prescribed burns due to 1345 

differences in burn severity. Furthermore, we expected that microbial responses to fire would 1346 

vary by biome, owing to differences in fuel loads across ecosystem types. In this meta-analysis 1347 

we specifically examined microbial responses to fire in boreal forest, temperate forests, 1348 

grasslands, and woodland/shrublands because these were the only biomes in the literature with 1349 

sufficient replication to include. We also predicted that the effect of fire on microbial biomass 1350 

would diminish as the time since fire increased. Finally, we hypothesized that changes in 1351 

microbial abundance would be associated with parallel changes in CO2 emissions from soils. We 1352 

tested these hypotheses separately for studies that targeted fungi separately and the microbial 1353 

community as a whole (fungi + bacteria) since these major classes of microbes may have 1354 

different responses to fire.  1355 

 1356 

Methods 1357 

Literature survey and selection criteria 1358 

 We searched the biological literature for studies that reported microbial abundance 1359 

measurements in burned and unburned soils. Literature searches were conducted using the ISI 1360 

Web of Science database with the keywords: fire or burn and microb* or fung* or bacteri*. 1361 

Studies were collected for analysis until 1 October 2010.  1362 

 Meta-analyses were performed on a subset of articles that met our search criteria (Table 1363 

S4.1). We focused on studies reporting microbial abundance measurements following a fire in 1364 

comparison to an unburned control. If a particular study utilized a chronosequence approach in 1365 
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which the study sites varied in their time since fire, we assumed that the oldest site in the 1366 

chronosequence functioned as the control site. Given our focus on the ecosystem-level 1367 

implications of fire-induced changes in microbial abundance, we excluded studies in which fire 1368 

was simulated in the laboratory. In addition, we limited our data collection to results in which the 1369 

mean, standard deviation (SD), and replicate numbers (n) of microbial abundance measurements 1370 

were reported or could be determined.  1371 

 Because one critical assumption of meta-analyses is that studies are independent from 1372 

one another (Gurevitch and Hedges 1999), we primarily used only one data set from a given 1373 

publication. For example, if a given study reported changes in microbial biomass over time, the 1374 

sampling date closest in time to the fire was used. However, when testing for a relationship 1375 

between microbial responses and the time since fire, we included all sampling points reported 1376 

within studies. In addition, if a particular study sampled from a variety of soil depths, we used 1377 

data from the uppermost soil layer (0-5 cm). If a study reported the effect of multiple levels of 1378 

fire severity, we chose the most severe treatment because global change is anticipated to increase 1379 

fire severity (Westerling et al. 2006). 1380 

  1381 

Data acquisition 1382 

For each study, the mean, SD, and n of microbial abundance were recorded for the 1383 

unburned control as well as the burned area. In addition to recording changes in microbial 1384 

abundance with fire, we also noted the type of fire (wildfire or prescribed burn) and the biome in 1385 

which the study took place. The only biomes with sufficient replication to include in the meta- 1386 

analysis were boreal forests, temperate forests, grasslands, and woodland/shrublands. When 1387 

means and errors were presented in a graph, we digitized the data by using Engauge Digitizer 4.1 1388 
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(http://digitizer.sourceforge.net). If standard errors (SEs) were presented instead of standard 1389 

deviations, they were converted using the formula: SD=SE (n1/2). Any unidentified errors bars in 1390 

graphs were assumed to represent standard errors. There were a total of two studies (Garcia and 1391 

Rice 1994, Jensen et al. 2001) in which error bars were not identified.  1392 

 1393 

Indices of microbial abundance 1394 

 To characterize microbial abundance in soils, authors employed a variety of techniques. 1395 

To estimate total microbial biomass, studies used chloroform fumigation extraction or incubation 1396 

for microbial C (Brooks et al. 1985), total amounts of phospholipid fatty acids (PLFAs) in soil 1397 

(Frostegard and Bååth 1996), substrate-induced respiration (Anderson and Domsch 1978), or 1398 

total abundance of ATP in soil (Eiland 1983). Studies characterized fungal abundance using 1399 

microscopy, fungal-specific PLFAs, total amounts of ergosterol in soil (Djajakirana et al. 1996), 1400 

and quantitative PCR with universal fungal primers (Borneman and Hartin 2000). We excluded 1401 

studies that focused on specific groups of bacteria or fungi (e.g. ammonia oxidizers, mycorrhizal 1402 

fungi) to avoid biasing our results towards subsets of bacterial or fungal communities.  1403 

 1404 

Soil CO2 emissions 1405 

 Where possible, we also recorded concurrent changes in soil CO2 emissions following 1406 

fires. Authors measured soil CO2 emissions via laboratory incubations of soil or using chambers 1407 

in the field (Kutsch et al. 2009).   1408 

 1409 

Statistics 1410 
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 Meta-analyses were used to determine the significance of microbial biomass responses to 1411 

fire. For each study and each target group of microorganisms (microbes or fungi) the effect size 1412 

was calculated as the natural log of the response ratio (‘R’).   R is calculated as the mean of the 1413 

treatment group (i.e. burn group) divided by the mean of the control group and an R of 1 1414 

indicates that fire had no effect on microbial abundance. The estimate of variance within each 1415 

study was represented by νlnR and is computed using the means, SD, and replicate numbers of the 1416 

control and treatment group (Hedges et al. 1999).   1417 

 To determine if fire had a significant effect on microbial abundance, we applied a random 1418 

effects model using MetaWin software (Rosenberg et al. 2000). Bias-corrected bootstrap 95% 1419 

confidence intervals (CIs) were calculated for each mean R. If the 95% CIs of R did not overlap 1420 

with 1, then responses were significant at P < 0.05. Random effects models allow for 1421 

comparisons among groups in a framework similar to analysis of variance (ANOVA). Using this 1422 

framework, we compared microbial abundance responses to fire among biomes, type of fire, and 1423 

the method of measurement used to estimate microbial abundance. Furthermore, we applied 1424 

continuous randomized effects model meta-analyses to test for relationships between R and the 1425 

time since fire and replicate number. Tests for the relationship between R and the time since fire 1426 

were done separately for each biome, owing to the fact that the time required for an ecosystem to 1427 

recover from fire varies substantially between biomes. Statistical results reported include R; 95% 1428 

CIs for R (CI); total heterogeneity in R among studies (QT); and in the case of comparisons 1429 

among groups, the difference among group cumulative effect sizes (QM), and the residual error 1430 

(QE) (Rosenberg et al. 2000). We also conducted a Kendall’s tau rank correlation test (Sokal and 1431 

Rohlf 1995) to test for the relationship between replicate number of each study and the 1432 

standardized effect size. Such a relationship would be indicative of a publication bias in which 1433 
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larger effects of fire were more likely to be published than smaller effects. Finally, we applied a 1434 

Pearson’s correlation to analyze the relationship between R of microbial abundance and R of soil 1435 

CO2 emissions for studies in which both were reported. We also analyzed the relationship 1436 

separately for measurements made in the laboratory and measurements made it the field.  1437 

 1438 

Results 1439 

Total microbial biomass 1440 

 Microbial biomass declined significantly following fires, by an average of 33.2% across 1441 

all studies (Table 4.1). However, microbial responses to fire were inconsistent among studies, as 1442 

indicated by a significant QT value (QT = 52.86, P = 0.006). The response of microbes to fire 1443 

differed significantly by fire type (Table 4.1, P = 0.023). When examined separately, wildfires 1444 

lead to a significant reduction in microbial biomass while prescribed fires had non-significant 1445 

effects (Table 4.1). Microbial responses to fires did not differ significantly across biomes (P = 1446 

0.087) or methods of measurement (P = 0.409, Table 4.1). Within biomes, fire effects were 1447 

significantly negative in boreal forests and temperate forests. Conversely, fire effects in 1448 

grasslands were significantly positive. Estimates of microbial biomass derived from chloroform 1449 

fumigations and total amounts of PLFAs in soil were associated with a significant decline in 1450 

microbial biomass, while studies that utilized the substrate-induced respiration technique found a 1451 

significant 23% increase in microbial biomass (Table 4.1). However, very few studies utilized 1452 

PLFA analysis (n = 2) and substrate-induced respiration (n = 3).  1453 

 1454 

Fungi 1455 
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 Across all studies, fires significantly reduced fungal abundance by an average of 47.6%. 1456 

In addition, fungal abundance response ratios were not significantly heterogeneous among 1457 

studies (QT = 9.75, P = 0.463). Fungal responses to fire differed significantly among biomes 1458 

(Table 4.1, P = 0.008). Responses were significantly negative in boreal forests and 1459 

woodlands/shrublands but non-significant in temperate forests. However, the study by Kara and 1460 

Bolat (2009) conducted following a wildfire in a temperate forest was associated with a strong 1461 

positive response of fungal abundance to fire (R = 1.6). This study utilized dilution-plating to 1462 

characterize fungal abundance following fire. Because the majority of soil microbes do not grow 1463 

readily in culture, this technique may not accurately reflect microbial abundance in soil. When 1464 

Kara and Bolat (2009) was removed from the analysis, fungal responses were also significantly 1465 

negative following fire in temperate forests; response ratios ranged between 0.376 and 0.888. 1466 

There were no significant differences in fungal responses across fire types (P = 0.685) and 1467 

measurement assay (P = 0.079, Table 4.1). Prescribed fires were associated with a significant 1468 

50% decline in fungal abundance. When Kara and Bolat (2009) was excluded, fungal abundance 1469 

declined significantly following wildfires, by an average of 64%. Ergosterol and PLFA based 1470 

estimates of fungal abundance yielded significantly negative responses while microscopy-based 1471 

counts were non-significant. However, it is important to note that ergosterol (n = 2) and PLFA (n 1472 

= 2) based estimates of fungal abundance following fire had low replication in the literature.  1473 

 1474 

Recovery of microbial abundance following fire 1475 

 There was a non-significant relationship between microbial response ratios and the time 1476 

since fire when data from all biomes were combined (P = 0.206, data not shown). In boreal 1477 

forests, as the time since fire increased, the effect of fire on microbial biomass became 1478 
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significantly less negative (Figure 4.2). Responses to fire in boreal forests were generally 1479 

negative in the first 15 years following fires; while after 15 years microbial responses to fire 1480 

were positive (Figure 4.2). Microbial response ratios were not significantly related to the time 1481 

since fire in temperate forests (P = 0.763), grasslands (P = 0.568), or woodland/shrublands (P = 1482 

0.280, Figure 4.2). Additionally, we did not detect a significant relationship between fungal 1483 

responses to fire and the time since fire across all biomes combined (P = 0.920) and for each 1484 

biome when examined individually (P = 0.440, 0.629, 0.863 for boreal forests, temperate forests 1485 

and woodland/shrublands, respectively; data not shown). 1486 

 1487 

Microbe and fungi studies combined 1488 

 Across all microbial and fungal studies included in this meta-analysis, there was a 1489 

marginally significant relationship between response ratio and replicate number (P = 0.057, data 1490 

not shown). However, this pattern was primarily driven by three studies that were associated 1491 

with a large negative response ratio and a low replicate number. When these studies were 1492 

excluded, the relationship between response ratio and replicate number was non-significant (P = 1493 

0.389). The Kendal Tau rank correlation test for publication bias was non-significant (τ = 0.139, 1494 

P = 0.190), indicating that stronger effects of fire were no more likely to be published than 1495 

weaker effects.  1496 

 1497 

Soil CO2 emissions 1498 

 A limited number of studies reported changes in soil CO2 emissions in concert with 1499 

changes in microbial biomass (n = 13). Across all studies that reported both, there was a 1500 

significant positive correlation between the R of microbial biomass and the R of soil CO2 1501 
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emissions (n = 13, r = 0.616, P = 0.025, Figure 4.3). When examined separately, measurements 1502 

of soil CO2 emissions in the laboratory were significantly positively correlated (n = 9, r = 0.718, 1503 

P = 0.029, Figure 4.3), while measurements made in the field showed no significant relationship 1504 

(n = 4, r = -0.901, P = 0.099).  1505 

 1506 

Discussion 1507 

Microbial responses to fire have been studied extensively, but inconsistencies among 1508 

studies have hampered our ability to draw general conclusions. We performed a meta-analysis of 1509 

published microbial responses to fire in order to improve our ability to predict how projected 1510 

increases in fire frequency and severity will alter microbial biomass. Across all studies, total 1511 

microbial biomass declined by an average of 33.2% following fires. These results are in 1512 

agreement with our first hypothesis, that fires would alter soil microbial abundance. The negative 1513 

response of microbial biomass following fires can be explained by several potential mechanisms. 1514 

Burning of the organic layer and heat-transfer to soil during fires may lead to microbial mortality 1515 

(Hart et al. 2005, Cairney and Bastias 2007). Alternatively, declines in microbial abundance 1516 

following fires may be attributable to C substrate-limitation. Post-fire decreases in above- and 1517 

belowground net primary productivity (NPP) work in concert to reduce labile C inputs into soil 1518 

and this in turn may cause microbes to become C limited (Choromanska and DeLuca 2001, Neff 1519 

et al. 2005). Reductions in microbial biomass following fires may also be mediated by changes 1520 

in soil moisture and soil nutrients (Smith et al. 2008, Capogna et al. 2009, O'Donnell et al. 2009).  1521 

Soil fungal abundance declined by an average of 47.6% following fires, providing further 1522 

support for the hypothesis that fires alter microbial abundance. Fungal responses to fire may be 1523 

driven by the same mechanisms that govern the response of the microbial community as a whole. 1524 
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Alternatively, increases in soil pH following fires may favor bacterial growth over fungi (Bååth 1525 

et al. 1995, Bárcenas-Moreno et al. 2011). In addition, mycorrhizal responses to fire may 1526 

contribute to the decline in total fungal abundance following fires. Mycorrhizal fungi scavenge 1527 

for nutrients in soil and transfer these nutrients to their host plant in return for photosynthesis- 1528 

derived plant C (Smith and Read 1997, Hodge et al. 2001). The absence of vegetation in post-fire 1529 

stands may sever the flow of plant C to mycorrhizae and result in mycorrhizal declines. Indeed, 1530 

studies have reported declines in both arbuscular mycorrhizal fungi (Dhillion et al. 1988, Allsopp 1531 

and Stock 1994, Rashid et al. 1997) and ectomycorrhizal fungi (Schoenberger and Perry 1982, 1532 

Dahlberg et al. 2001, Treseder et al. 2004) following fires in a variety of biomes. Although 1533 

certain ascomycete fungi consistently fruit following fires (Wicklow 1975), we did not find 1534 

evidence for an increase in total soil fungal abundance following fires.  1535 

Due to the limited number of studies meeting our search criteria that reported changes in 1536 

bacterial abundance following fires (n = 5), we were not able to separately analyze bacterial 1537 

responses to fires (Table S4.2). Among those studies that did measure bacterial abundance 1538 

following fires, bacterial responses were variable. Kara and Bolat (2009) found a four-fold 1539 

increase in bacterial abundance in soil following fires. In contrast, Esquilín et al. (2007) observed 1540 

a significant decrease in bacterial biovolumes after fire. The limited sample size and the 1541 

variability in observed bacterial responses to fire make it difficult to draw general conclusions 1542 

regarding how fire affects soil bacteria. Furthermore, most bacterial studies to date have been 1543 

conducted in temperate forests. Our understanding of bacterial responses to fire would benefit 1544 

from additional studies examining changes in bacterial abundance following fires across biomes.  1545 

In support of our hypothesis that wildfires would elicit greater changes in microbial 1546 

biomass than prescribed burns, microbial responses to fire were significantly negative following 1547 
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wildfires but non-significant after prescribed burns. This result is likely driven by differences in 1548 

fire severity, with wildfires being more severe than prescribed fires (Carter and Foster 2004, 1549 

Certini 2005). High severity fires may elicit stronger microbial response because they burn at 1550 

higher temperatures, consume a greater proportion of aboveground biomass and soil organic 1551 

matter, and promote higher levels of nutrient volatilization (Hatten and Zabowski 2010). 1552 

Choromanska and DeLuca (2001) provide a direct comparison of fire severity during a wildfire 1553 

and prescribed burn in a temperate forest. The prescribed fire resulted in 42% fine fuel 1554 

consumption and no mortality of overstory trees while the wildfire led to 100% fine fuel 1555 

consumption and complete stand mortality. Similarly, the wildfire elicited a more severe 1556 

reduction in microbial biomass C than the prescribed fire. A very limited number of studies have 1557 

directly compared microbial responses to low and high severity fires. In general, these studies 1558 

suggest that high severity fires cause greater reductions in microbial biomass than low severity 1559 

fires (Palese et al. 2004, Fioretto et al. 2005, Hamman et al. 2007). Taken together, these data 1560 

suggest that it may be inaccurate to predict microbial responses to wildfires from observed 1561 

microbial responses to prescribed burns.  1562 

Likewise, the effect of fire on total microbial biomass differed between biomes. 1563 

Microbial responses were significantly negative in boreal forests and temperate forests and 1564 

significantly positive in grasslands. The difference in microbial responses among biomes may 1565 

also be attributable to differences in fire severity among biomes. Fuel loads vary widely among 1566 

biomes, ranging from <1 Mg ha-1 in grasslands to >400 Mg ha-1 in woodlands and forests (Neary 1567 

et al. 1999). Higher fuel loads in forests and woodlands may favor more severe fires in these 1568 

biomes than in grasslands. Alternatively, the positive response of soil microbes in grasslands 1569 

may represent microbial adaptation to fire. Temperate and boreal forests have fire return 1570 
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intervals of ~100 years (Agee 1993, Kasischke and Stocks 2000) while grassland ecosystems 1571 

burn more frequently (Collins and Wallace 1990). Over time, frequent fires in grasslands may 1572 

have selected for microbes that are fire-tolerant. Many biomes (e.g. arctic tundra, tropical 1573 

forests) had insufficient replication to include in this meta-analysis. Additional fire studies in 1574 

these biomes are critical for improving our understanding of how fires alter microbial abundance 1575 

on a global scale.  1576 

Fungal responses to fire among fire types and biomes differed from the response of the 1577 

microbial community as a whole. Fungal abundance was significantly reduced following 1578 

prescribed fires while fungal responses to wildfires were highly variable and non-significant. 1579 

This variability is largely driven by one study that reported a strong positive effect of fire on 1580 

fungal abundance (Kara and Bolat 2009). In general, the limited number of studies measuring 1581 

changes in fungal abundance following wildfires (n = 4) hampers our ability to draw general 1582 

conclusions. In addition, fires in boreal forests and woodland/shrublands elicited significant 1583 

declines in fungal abundance. Changes in fungal abundance following fires in temperate forests 1584 

were non-significant due to the strong positive response of Kara and Bolat (2009). Again, low 1585 

replication among all biomes (n = 3-4) may have limited our ability to detect significant patterns. 1586 

We did not find any published studies that reported changes in fungal abundance following fires 1587 

in grasslands, tropical forests, or the arctic tundra. Docherty et al. (201) present one of the first 1588 

detailed studies of fungal responses to grassland fires. They found no significant difference in 1589 

total soil fungal abundance, but a trend towards increased arbuscular mycorrhizal fungal 1590 

abundance in burned plots. Additional studies documenting changes in fungal abundance 1591 

following fires in these biomes are necessary to develop a complete understanding of fungal 1592 

responses to fire.  1593 
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In addition to altering biomass, fires may shift the composition of soil microbial 1594 

communities. Phospholipid fatty acid profiles have been used to detect changes in broad 1595 

taxonomic groups of microbes following fires (Docherty et al. 201, Bååth et al. 1995, Esquilín et 1596 

al. 2007, Hamman et al. 2007). Using denaturing gradient gel electrophoresis, Waldrop and 1597 

Harden (2008) documented changes in fungal community structure following fire in an Alaskan 1598 

boreal forest. Bacterial community composition may also be sensitive to fire. Docherty et al. 1599 

(201) found decreases in Gram-negative and Gram-positive bacteria following a wildfire in a 1600 

California annual grassland. In addition, Bacteroidetes abundance decreased following fire in a 1601 

temperate grassland (Jangid et al. 2010) while Smith et al. (2008) report declines in Chlamydiae 1602 

and Nitrospirae clades following fire in a boreal forest. These changes in microbial community 1603 

structure following fire suggest that microbial species are differentially affected by fire. Shifts in 1604 

microbial community composition following fires might either exacerbate or moderate the 1605 

ecosystem-level effects of biomass changes, depending on the functional roles of individual 1606 

species. Detailed investigations of changes in microbial community composition following fire 1607 

(e.g. using high throughput sequencing) are rare, but would greatly contribute to our knowledge 1608 

of microbial responses to fire.  1609 

We initially hypothesized that the effect of fire on microbial biomass would diminish as 1610 

the time since fire increased. In boreal forests there was a significant positive relationship 1611 

between microbial response ratios and the time since fire, providing partial support for this 1612 

hypothesis (Figure 4.2). The negative effects of fire persisted for ~15 years in boreal forests, 1613 

after which time microbial response ratios increased. The fire return interval in boreal forests is 1614 

~100 years (Giglio et al. 2006). Given that microbial biomass can recover within ~15 years of a 1615 

fire, it is likely that microbial biomass will recover before another fire occurs. Studies on the 1616 
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recovery of NPP following fires in boreal forests indicate that aboveground NPP can recover in 1617 

as little as four years (Mack et al. 2008). In contrast, soil organic matter accumulates slowly over 1618 

time as C inputs from primary production outweigh C losses via decomposition. Taken together, 1619 

these findings suggest that the recovery of microbial biomass following fires in boreal forests is 1620 

more strongly related to the recovery of the soil organic layer than the recovery of aboveground 1621 

biomass. There were non-significant relationships between microbial responses and the time 1622 

since fire for all other biomes examined and for all fungal studies. This result may be partially 1623 

due to the absence of long-term data in temperate forests and grasslands. Although, microbial 1624 

biomass C remained lower in burned than unburned stands 13 years following a wildfire in a 1625 

temperate forest (Litton et al. 2003), again suggesting that the effects of fire on soil microbes 1626 

may persist long after aboveground vegetation regenerates.  1627 

The decrease in microbial abundance following fires may have consequences for C 1628 

fluxes. Changes in microbial abundance were significantly positively correlated with changes in 1629 

soil CO2 emissions across all studies that measured both (Figure 4.3). However, when changes in 1630 

soil CO2 emissions were examined separately for measurements made in the laboratory and field, 1631 

the relationship was only significant for measurements made in the laboratory. The efflux of CO2 1632 

from soils is comprised of both microbial and plant-derived sources. Measurements made in the 1633 

laboratory primarily capture microbial respiration while measurements made in the field 1634 

incorporate both sources. Plant root respiration is traditionally assumed to be low following fires 1635 

(Richter et al. 2000). However, recent work suggests that the autotrophic component of soil 1636 

respiration following fire can be significant due to the survival of roots belowground and the 1637 

rapid re-growth of fire-adapted vegetation (Bond-Lamberty et al. 2004, Czimczik et al. 2006, 1638 

Singh et al. 2008). In addition, although microbial biomass may be one important control of soil 1639 
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CO2 emissions, other abiotic factors will affect the efflux of CO2 from soils following fires (e.g. 1640 

soil temperature, soil moisture). Laboratory incubations that are conducted at standardized 1641 

temperature and soil moisture do not capture the effect of these abiotic factors on soil CO2 1642 

emissions following a fire. The low number of studies (n = 4) reporting field measurements of 1643 

soil CO2 emissions following fires may have limited our ability to detect significant patterns. 1644 

These results underscore our need to better understand both the autotrophic and heterotrophic 1645 

contributions to soil respiration following fires.  1646 

 1647 

Conclusion 1648 

 In summary, overall fires had a negative effect on microbial and fungal biomass. 1649 

However, the effect of fire on microbial biomass varied among fire types and biomes. The 1650 

differential responses between biomes and fire types is likely related to fire severity, with more 1651 

severe fires eliciting greater declines in microbial abundance. Our conclusions are necessarily 1652 

limited to the studies we included in our analyses. Most studies were concentrated in Europe and 1653 

North America, while other continents and biomes were underrepresented (Figure S4.1). Soil 1654 

CO2 emissions tended to respond in concert with microbial biomass. The frequency and severity 1655 

of wildfires may increase as a result of climate warming, especially in forest biomes. These 1656 

results imply that increases in fire activity may be associated with declines in microbial biomass, 1657 

especially following severe wildfires. Declines in microbial biomass may lead to parallel 1658 

declines in soil CO2 emissions and constitute as a negative feedback to climate warming.  1659 

 1660 

 1661 

 1662 
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Tables 1663 

Table 4.1. Results of statistical comparisons among and within groups.   1664 

Comparison Group R 95% CI 
Number of 
Studies QM QE 

P-value 
among 
groupsa 

Microbes All microbe studies* 0.668 0.480-0.847 31    
    Fire Type Prescribed fire 0.857 0.658-1.102 20 9.673 42.715 0.023 
 Wildfire* 0.400 0.197-0.647 11    
    Biome Boreal forest* 0.452 0.342-0.591 7 13.312 36.459 0.087 
 Temperature forest* 0.430 0.183-0.773 9    
 Grassland* 1.175 1.033-1.341 8    
 Woodland/shrubland 0.867 0.429-1.365 7    
   Measurement Chloroform fumigation* 0.638 0.449-0.847 25 2.921 46.229 0.409 
 PLFA* 0.729 0.649-0.838 2    
 SIR* 1.234 1.060-1.338 3    
Fungi All fungi studies* 0.524 0.382-0.729 11    
   Fire Type Prescribed fire* 0.495 0.375-0.681 7 0.187 9.200 0.685 
 Wildfire 0.597 0.187-1.281 4    
   Biome Boreal forest* 0.368 0.318-0.413 4 19.998 12.061 0.008 
 Temperate forest 0.885 0.433-1.483 4    
 Woodland/shrubland* 0.600 0.417-0.606 3    
   Measurement Ergosterol* 0.358 0.298-0.418 2 10.102 11.281 0.079 
 Microscopy 0.788 0.537-1.188 6    
 PLFA* 0.417 0.373-0.526 2    

PLFA = phospholipid fatty acid, SIR = substrate induced respiration 1665 
*Significant effect of fire on group (P < 0.05) 1666 
aOnly groups represented by two or more studies were included in comparisons 1667 
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Figures 1677 

 1678 

 1679 

Figure 4.1. Potential direct and indirect mechanisms through which fire may increase (+) or 1680 
decrease (-) microbial abundance. Solid arrows = direct mechanism, dashed arrows = indirect 1681 
mechanism.  1682 
 1683 

 1684 

 1685 

 1686 

 1687 

 1688 

 1689 

 1690 

 1691 
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 1692 

 1693 

Figure 4.2. The response ratio of microbial biomass as a function of the time since fire in boreal 1694 
forests (A), temperate forests (B), grasslands (C), and woodland/shrublands (D). Response ratios 1695 
were not significantly related to the time since fire in B-D. In boreal forests, the response ratio of 1696 
microbial biomass increased significantly as the time since fire increased (R = 0.31 * ln[time 1697 
since fire] + 0.44, r2 = 0.72, n = 21, P < 0.001).  1698 
 1699 

 1700 

 1701 

 1702 

 1703 

 1704 
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 1705 

 1706 

Figure 4.3. The relationship between the response ratio of soil CO2 emissions and the response 1707 
ratio of microbial biomass. Each symbol designates one study, triangles-field measurement, 1708 
circles-laboratory measurement. Lines are the best-fit regressions for all studies combined (solid, 1709 
CO2 R = 0.58 * microbial R + 0.38, r2 = 0.38, P = 0.025) and measurements made in the 1710 
laboratory only (dashed, CO2 R = 0.76 * microbial R + 0.18, r2 = 0.52, P = 0.029). The response 1711 
of soil CO2 emissions is significantly related to the response of microbial biomass when 1712 
measured in the laboratory but not when measured in the field. 1713 
 1714 

 1715 
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 1718 
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Supplemental Tables 1729 
 1730 
Table S4.1 The list of studies used in meta-analyses, including their response ratio (R) and the 1731 
variation within studies (vlnR).  1732 
 1733 

 1734 
 1735 Study Fire 

Type Biome Time Since 
Fire (Y) 

Biomass 
Method CO2 Method lnR vlnR 

Microbes:        
Andersson et al. 
2004 

P G 0.00 CF Lab incub .23 0.07 

Bååth et al. 1995 P BF 2.5 PLFA  -0.43 0.00 
D’Ascoli et al. 2005 P WS 0.02 SIR  0.26 0.01 
De Marco et al. 2005 P WS 40 CF Lab incub 0.36 0.00 
Dumontet et al. 1996 W TF 0.08 CF  -0.29 0.01 
Fenn et al. 1993 P BF 0.02 SIR  -1.39 0.01 
Fioretto et al. 2005 P WS 0.00 ATP Field chamb 0.06 0.03 
Fritze et al. 1993 P BF 0.00 CF  -0.24 0.02 
Fritze et al. 1994 P BF 2.00 CF Lab incub -0.93 0.00 
Garcia & Rice 1994 P G 1.00 CF  -0.02 0.08 
Grady and Hart 2006 W TF 7.00 CF Field chamb, 

Lab incub 
-0.98 0.12 

Hamman et al. 2007 W TF 1.00 PLFA Field chamb -0.18 0.09 
Harris et al. 2007 P G 0.17 CF  0.23 0.01 
Harris et al. 2008 P G 0.50 CF  -0.08 0.00 
Hossain et al. 1995 P TF 2.00 SIR  0.31 0.00 
Jangid et al. 2010 P G 0.25 CF Lab incub 0.28 0.00 
Jensen et al. 2001 P WS 0.00 CF  0.41 0.08 
Kara & Bolat 2009 W TF 0.17 CF  -0.02 0.01 
LeDuc & Rothstein 
2007 

W TF 4.50 CF Lab incub -0.49 0.02 

Litton et al. 2003 W TF 13.00 CF Field chamb -0.83 0.03 
Liu et al. 2007 P G 0.08 CF Lab incub 0.53 0.06 
Mabuhay et al. 2006 W TF 0.00 CF  -3.12 0.17 
Palese et al. 2004 P WS 1.00 CF  -1.00 0.00 
Picone et al. 2003 P G 0.00 CF  -0.04 0.03 
Pietikäinen & Fritze 
1995 

P BF 1.00 CF Lab incub -1.18 0.01 

Prieto-Fernández et 
al. 1998 
 

W TF 0.00 CF  -3.14 0.14 

Rutigliano et al. 
2007 

P WS 0.02 CF  0.41 0.02 

Singh et al. 1991 P G 0.00 CF  0.17 
 

0.00 

Smith et al. 2008 W BF 1.00 CF  -1.37 0.10 
Swallow et al. 2009 P BF 1.83 CF  -0.67 0.00 
Waldrop & Harden 
2008 

W BF 5.00 CF Lab incub -0.83 0.08 

Fungi:        
Bååth et al. 1995 P BF 2.50 PLFA  -0.99 0.01 
Capogna et al. 2009 P WS 0.23 Microsc  -0.87 1.82 
D’Ascoli et al. 2005 P WS 0.02 Microsc  -0.51 0.03 
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 1736 
 1737 
 1738 
 1739 
 1740 
 1741 
 1742 
 1743 
 1744 
 1745 
 1746 
 1747 

P = prescribed fire, W = wildfire, BF = boreal forest, TF = temperate forest, G = grassland, WS = 1748 
woodland/shrubland, CF = chloroform fumigation, Microsc = microscopy, PLFA = phospholipid 1749 
fatty acid, qPCR = quantitative PCR, SIR = substrate-induced respiration, chamb = chamber, 1750 
incub = incubation,  1751 
aWhere replicate numbers were uneven between control and burned plots, the lower replicate 1752 
number is reported 1753 
 1754 
 1755 
 1756 
 1757 
 1758 
  1759 
 1760 
 1761 
 1762 
 1763 
 1764 
 1765 
 1766 
 1767 
 1768 
 1769 
 1770 
 1771 
 1772 
 1773 
 1774 
 1775 
 1776 
 1777 
 1778 
 1779 
 1780 
 1781 

Study Fire 
Type Biome Time Since 

Fire (Y) 
Biomass 
Method CO2 Method lnR vlnR 

Esquilín et al. 2007 P TF 0.02 Microsc  -0.12 0.00 
Fritze et al. 1994 P BF 2.00 Ergosterol  -0.87 0.01 
Hamman et al. 2007 W TF 1.00 PLFA  -0.64 0.10 
Kara & Bolat 2009 W TF 0.17 Microsc  0.47 0.07 
Mabuhay et al. 2006 W TF 0.00 Microsc  -3.47 1.88 
Pietikäinen & Fritze 
1995 

W BF 1.00 Ergosterol  -1.21 0.02 

Rutigliano et al. 
2007 

P WS 0.02 Microsc  -0.50 0.06 

Waldrop & Harden 
2008 

W BF 5.00 qPCR  -0.93 0.15 
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 1782 
Table S4.2: Studies reporting changes in bacterial abundance following fire, including their 1783 
response ratio (R) and the variation within studies (vlnR). 1784 

P = prescribed fire, W = wildfire, BF = boreal forest, TF = temperate forest, G = grassland, 1785 
Microsc = microscopy, PLFA = phospholipid fatty acid, chamb = chamber 1786 
 1787 
 1788 
 1789 
 1790 
 1791 
 1792 
 1793 
 1794 
 1795 
 1796 
 1797 
 1798 
 1799 
 1800 
 1801 
 1802 
 1803 
 1804 
 1805 
 1806 
 1807 
 1808 
 1809 
 1810 
 1811 
 1812 
 1813 
 1814 
 1815 
 1816 

Study Fire 
Type Biome 

Time 
Since 

Fire (Y) 

Biomass 
Method 

CO2 
Method lnR vlnR 

Bacteria:        
Antonsen & Olsson 
2005 

P G 0.00 PLFA Field 
chamb 

0.00 0.00 

Baath et al. 1995 P BF 2.50 PLFA  -0.31 0.00 
Esquilín et al. 2007 P TF 0.02 Microsc  -0.26 0.00 
Hamman et al. 2007 W TF 1.00 PLFA  -0.64 0.10 
Kara and Bolat 2009 W TF 0.17 Microsc  1.75 0.02 
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Supplemental Figures 1817 
 1818 
 1819 

 1820 
Figure S4.1. The distribution of study sites included in the meta-analysis, separated by biome. 1821 
 1822 
 1823 
 1824 
 1825 
 1826 
 1827 
 1828 
 1829 
 1830 
 1831 
 1832 
 1833 
 1834 
 1835 
 1836 
 1837 
 1838 
 1839 
 1840 
 1841 
 1842 
 1843 
 1844 
 1845 
 1846 
 1847 
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CHAPTER 5 1848 

A meta-analysis of soil microbial biomass responses to forest disturbances 1849 

Abstract 1850 

Climate warming is likely to increase the frequency and severity of forest disturbances, 1851 

with uncertain consequences for soil microbial communities and their contribution to ecosystem 1852 

carbon (C) dynamics. To address this uncertainty, we conducted a meta-analysis of 139 1853 

published soil microbial responses to forest disturbances. These disturbances included abiotic 1854 

(fire, harvesting, storm) and biotic (insect, pathogen) disturbances. We hypothesized that soil 1855 

microbial biomass would decline following forest disturbances, but that abiotic disturbances 1856 

would elicit greater reductions in microbial biomass than biotic disturbances. In support of this 1857 

hypothesis, across all published studies, disturbances reduced soil microbial biomass by an 1858 

average of 29.4%. However, microbial responses differed between abiotic and biotic 1859 

disturbances. Microbial responses were significantly negative following fires, harvest, and 1860 

storms (48.7%, 19.1%, and 41.7% reductions in microbial biomass, respectively). In contrast, 1861 

changes in soil microbial biomass following insect infestation and pathogen-induced tree 1862 

mortality were non-significant, although biotic disturbances were poorly represented in the 1863 

literature. When measured separately, fungal and bacterial responses to disturbances mirrored the 1864 

response of the microbial community as a whole. Changes in microbial abundance following 1865 

disturbance were significantly positively correlated with changes in microbial respiration. We 1866 

propose that the differential effect of abiotic and biotic disturbances on microbial biomass may 1867 

be attributable to differences in soil disruption and organic C removal from forests among 1868 

disturbance types. Altogether, these results suggest that abiotic forest disturbances may 1869 

significantly decrease soil microbial abundance, with corresponding consequences for microbial 1870 
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respiration. Further studies are needed on the effect of biotic disturbances on forest soil microbial 1871 

communities and soil C dynamics.  1872 

 1873 

Introduction 1874 

Forest ecosystems are a critical component of the global C cycle. Boreal, temperate, and 1875 

tropical forests cover ~30% of the global land surface and store ~1600 Pg C, accounting for up to 1876 

45% of global terrestrial C (Bonan 2008). Forests are subject to frequent stand disturbances that 1877 

can alter the amount of C stored in forests. For example, forest fires burn an average of ~40,000 1878 

km2 in North American forests (Giglio et al. 2006), and ~2000 km2 in European forests each year 1879 

(Schelhaas et al. 2003). Likewise, ~50,000 km2 of North American forests are harvested annually 1880 

(Birdsey et al. 2006). Other common forest disturbances include storms, insect outbreaks, and 1881 

pathogen infection of trees (Goetz et al. 2012). These disturbances can be grouped into abiotic 1882 

(fire, harvesting, storm) and biotic (insect, pathogen) disturbances. Although already common, 1883 

some forest disturbances may occur more frequently and severely as a result of climate warming. 1884 

For example, modeling studies predict that the burned area in Alaskan and Canadian boreal 1885 

forests will increase 3.5-5.5 times by the end of the century (Balshi et al. 2009). Higher 1886 

temperatures may also provide more favorable conditions for insects and pathogens, and make 1887 

forests more susceptible to infestation (Dale et al. 2001). Although, insect outbreaks are not 1888 

always directly related to climatic conditions (Kardol et al. 2010). Given the large amount of C 1889 

stored in forests, it is important to understand how disturbances alter ecosystem C dynamics.  1890 

Soil microbial respiration of CO2, produced as a result of organic matter decomposition 1891 

in soil, comprises a large flux of C from forest ecosystems to the atmosphere. Classic ecosystem 1892 

theory predicts that the total amount of CO2 released by soil microbes increases following forest 1893 
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disturbances (Odum 1969, Chapin et al. 2011b), owing to post-disturbance increases in soil 1894 

temperature and C availability. Direct in situ measurements of microbial respiration following 1895 

disturbances are scarce (but see Czimczik et al. (2006)). Indirect evidence for increased 1896 

microbial respiration following disturbances is derived primarily from measurements of soil C 1897 

stocks (Covington 1981) and from measurements of total soil respiration (Richter et al. 2000). 1898 

However, despite their central role in decomposition and C release from soils, the response of 1899 

soil microbial biomass and community composition to forest disturbances is not accounted for in 1900 

this classic ecosystem theory.  1901 

Abiotic and biotic disturbances change a variety of soil properties in forests, which may 1902 

in turn alter soil microbial biomass and respiration. For example, abiotic disturbances usually kill 1903 

(fire, storm) or remove (harvest) aboveground vegetation. Post-disturbance reductions in 1904 

aboveground vegetation decrease plant litter inputs and root exudation into soil and thus can 1905 

result in long-term declines in soil C (Johnson and Curtis 2001, Wang et al. 2012, Zhou et al. 1906 

2013) and total soil nitrogen (Wan et al. 2001). In addition, soil temperatures often increase 1907 

following abiotic disturbances (Treseder et al. 2004), and this may augment microbial 1908 

respiration. However, microbes living in post-disturbance soils may also experience greater 1909 

moisture stress, as higher soil temperatures following abiotic disturbance can lead to soil drying. 1910 

Biotic disturbances may differ from abiotic disturbances in their effect on soil properties because 1911 

they less frequently kill aboveground vegetation. Tree defoliation caused by biotic disturbances 1912 

can result in an influx of dead plant litter into soils (Hicke et al. 2012). Insect biomass and frass 1913 

deposition following insect defoliation can also increase soil nutrient availability (Lovett et al. 1914 

2002). Increases in labile C and nutrient availability following biotic disturbances may stimulate 1915 

soil microbial growth and respiration. On the other hand, biotic disturbances that kill 1916 
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aboveground vegetation might cause soil C availability to decline. The net effect of these altered 1917 

soil conditions on soil microbial communities is poorly understood. 1918 

Soil microbial responses to forest disturbances are likely to differ as a function of the 1919 

time since disturbance. Disturbance effects on soil microbial communities may only persist until 1920 

aboveground vegetation re-grows, as the recovery of aboveground vegetation may reverse 1921 

changes in soil properties caused by disturbance (Hart et al. 2005). Soil nutrient availability may 1922 

quickly return to pre-disturbance levels if soil microbes and plants can readily assimilate the 1923 

pulse of available nutrients. Furthermore, soil microbial communities may have the capacity to 1924 

quickly recover from disturbances if nearby undisturbed forests or mineral soils serve as a source 1925 

of microbial inoculum (Grogan et al. 2000a, Barker et al. 2013). However, we currently have a 1926 

limited understanding of changes in soil microbial biomass during forest recovery from a variety 1927 

of disturbance types.  1928 

In a previous meta-analysis we summarized soil microbial biomass responses to fire 1929 

(Dooley and Treseder 2012). This work demonstrated that fires reduce soil microbial biomass in 1930 

forest ecosystems. However, our previous work did not examine other types of forest 1931 

disturbances besides fire. It is important to consider microbial responses to a variety of 1932 

disturbances because of their prevalence in forests worldwide and the likelihood that 1933 

disturbances may occur more frequently as a result of climate warming. Determining the relative 1934 

impact of different disturbance types will allow us to better predict how climate-linked increases 1935 

in disturbance frequency will affect soil microbial communities and soil C dynamics. Many 1936 

studies have documented soil microbial responses to forest disturbances, but the results among 1937 

these studies are inconsistent. Some studies find increases in microbial abundance following 1938 

disturbances (Holmes and Zak 1999, Bogorodskaya et al. 2009), while others report negative 1939 
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microbial responses to disturbance (Arunachalam et al. 1996, Bárcenas-Moreno et al. 2011) and 1940 

we lack a quantitative synthesis across disturbance types. Here, we build on our previous work 1941 

by asking how does soil microbial biomass and respiration respond to disturbance events in 1942 

forests and how does this response differ across disturbance types? We also highlight forest 1943 

disturbance types that require further study. We hypothesized that forest disturbances would 1944 

reduce soil microbial biomass. Second, we expected that abiotic disturbances would lead to 1945 

greater reductions in microbial biomass than biotic disturbances. Third, we predicted that post- 1946 

disturbance changes in microbial biomass would diminish over time as forests recover from 1947 

disturbance. Fourth, we expected that changes in soil microbial biomass would be associated 1948 

with changes in microbial respiration. We tested these hypotheses separately for studies that 1949 

measured total soil microbial biomass, and for studies that measured fungal and bacterial 1950 

abundances separately since these major classes of microbes may have different responses to 1951 

disturbance. Given previous work suggesting that fungi may be more sensitive to fires than 1952 

bacteria (Pietikainen and Fritze 1995, Dooley and Treseder 2012), we expected that fungi would 1953 

have larger responses to disturbance than bacteria. 1954 

 1955 

Methods 1956 

Literature survey and criteria for inclusion 1957 

We searched the published literature for studies that reported microbial abundance 1958 

measurements in disturbed and undisturbed forest soils. Searches were conducted using the ISI 1959 

Web of Science database and Google Scholar. We performed our literature searches separately 1960 

be each type of forest disturbance. Key words for each disturbance type included: burn, forest 1961 

fire, prescribed fire, wildfire (fire); harvest, logging (forest harvest); insect, insect defoliation, 1962 
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insect outbreak (insect outbreaks); pathogen (pathogen-caused tree mortality); and storm, 1963 

windthrow (storms). To narrow our search results to studies that focused on soil microbes, we 1964 

also used the search terms microb*, bacteri*, and fung* in combination with the key words listed 1965 

above for each disturbance type. Published studies were collected for analysis until 15 January 1966 

2013.  1967 

Meta-analyses were preformed on a subset of studies that met our search criteria 1968 

following Dooley and Treseder (2012) (Table S5.1). Importantly, we only included multiple data 1969 

sets from a single study if the data sets could reasonably be considered independent (e.g. 1970 

different geographic locations, dominant vegetation).  1971 

 1972 

Data acquisition 1973 

For each study, we recorded the mean, SD, and n of microbial biomass, fungal 1974 

abundance, or bacterial abundance in the disturbed area and the undisturbed control. In addition 1975 

to changes in microbial abundances, we recorded the type of disturbance, the disturbance agent, 1976 

the time elapsed since disturbance, and the biome in which the study took place. We included 1977 

studies from boreal forests, temperature forests, tropical forests, and woodlands. Studies in 1978 

woodlands were primarily from Mediterranean ecosystems and had decreased tree biomass and 1979 

higher amounts of shrub biomass. We also recorded the method used for measuring microbial 1980 

abundances in soil. When means and errors were presented in graph form, we digitized the data 1981 

using PlotDigitizer 2.6.2 (http://plotdigitizer.sourceforge.net). If standard errors (SEs) were 1982 

presented instead of standard deviations, they were converted using the formula: SD = SE (n1/2). 1983 

Any unidentified errors bars in graphs were assumed to represent standard errors. There were a 1984 

total of two studies in which error bars were not identified (Chang et al. 1995, Pietikainen and 1985 
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Fritze 1995).  1986 

 1987 

Indices of microbial abundance 1988 

Authors employed a variety of techniques to measure microbial abundances in soil. 1989 

Microbial biomass in soil was measured through chloroform fumigation and extraction (Brooks 1990 

et al. 1985), substrate-induced respiration (Anderson and Domsch 1978), total amounts of 1991 

phospholipid fatty acids (PLFAs) in soil (Frostegard and Bååth 1996), total amounts of ATP 1992 

extracted from soil (Eiland 1983), and microwave irradiation of soil (Islam and Weil 1998). 1993 

Fungal abundance in soil was most commonly determined using fungal specific PLFAs. 1994 

Additional methods for characterizing fungal abundance included total amounts of ergosterol in 1995 

soil (Djajakirana et al. 1996), microscopy, plating soil and counting colony formation, and 1996 

quantitative PCR with universal fungal primers (Borneman and Hartin 2000). Bacterial 1997 

abundances were determined through bacteria specific PLFAs, dilution plating, and microscopy.   1998 

 1999 

Specific microbial groups 2000 

A subset of the studies generated from our literature search also reported changes in the 2001 

abundance of specific groups of bacteria in response to disturbance. We found studies that 2002 

reported the response of gram-negative bacteria, gram-positive bacteria, and actinomycetes to 2003 

forest disturbances. The abundance of these bacterial groups was measured using PLFAs or 2004 

dilution plating.  2005 

 2006 

Basal respiration 2007 
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Where possible, we also recorded changes in soil basal respiration following 2008 

disturbances. We defined basal respiration as the amount of CO2 produced during laboratory 2009 

incubations of soil in the absence of C or nutrient additions.  2010 

 2011 

Statistics 2012 

Meta-analyses were used to determine the significance of microbial abundance responses 2013 

to disturbance. For each study and group of microorganisms (microbes, fungi, bacteria, gram- 2014 

negative, gram-positive, actinomycetes), the effect size was calculated at the natural log of the 2015 

response ratio (‘R’).  R is calculated as the mean of the disturbed treatment divided by the mean 2016 

of the control group. Thus, an R of 1 indicates that disturbance had no effect on microbial 2017 

abundance. Variance within each study (νlnR) is computed using the means, n, and SD of the 2018 

control and disturbed groups (Hedges et al. 1999). 2019 

To determine if disturbances had a significant effect on microbial abundance, we 2020 

employed a random effects models using MetaWin software (Rosenberg et al. 2000). Bias- 2021 

corrected bootstrap 95% confidence intervals (CIs) were calculated for each mean R. If the 95% 2022 

CIs of R do not overlap with 1, then responses were significant at P < 0.05. Random effects 2023 

models allow for comparisons between groups in a framework that is similar to analysis of 2024 

variance. We applied random effects meta-analyses to test for differences in R between abiotic 2025 

and biotic disturbance and disturbance types (fire, harvest, storm, insect, pathogen). Within each 2026 

disturbance type, we further tested for differences among disturbance agents (e.g. wildfire vs. 2027 

prescribed fire), biomes, and the method of measurement used to estimate microbial abundances. 2028 

In addition, we used continuous randomized effects meta-analyses to test for relationships 2029 

between R and the time since disturbance. Tests for the relationship between R and the time since 2030 
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disturbance were performed separately for each disturbance type and biome. Statistical results 2031 

reported include: R; 95% CIs for R; total heterogeneity in R among studies (QT). For 2032 

comparisons among groups, total heterogeneity (QT) can be partitioned into the amount of 2033 

heterogeneity explained by groups (QM) and the amount of heterogeneity left unexplained (QE). 2034 

The significance of QT and QM is tested by comparison to the chi-squared distribution. A 2035 

significant QT value means that the variance among studies is greater than expected due to 2036 

sampling error. A significant QM values indicates that a significant portion of the total 2037 

heterogeneity among studies can be explained by subdividing the studies into the group of 2038 

interest (Rosenberg et al. 2000, Rosenberg et al. 2004, Koricheva et al. 2013). We used a 2039 

Pearson’s correlation to analyze the relationship between the R of microbial biomass and the R of 2040 

basal respiration for studies in which both were reported.  2041 

We employed a number of complementary approaches to test for the presence of 2042 

publication bias in our data. We performed a Kendall’s tau rank correlation test and a Spearman 2043 

rank correlation test (Sokal and Rohlf 1995) to test for the relationship between replicate number 2044 

of each study and the standardized effect size. Such a relationship would be indicative of a 2045 

publication bias in which larger effects of disturbance were more likely to be published than 2046 

smaller effects. We visually inspected funnel plots of standard error or replicate number versus 2047 

standardized effect size for the presence of asymmetry (Egger et al. 1997, Sterne and Egger 2048 

2001). Funnel plot asymmetry was formally tested using Egger’s regression (Sterne and Egger 2049 

2005). Publication bias was assessed in all data for a given group of microorganisms (microbes, 2050 

fungi, bacteria) and also for abiotic and biotic data sets within each group of microorganisms.  2051 

 2052 

Results 2053 
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In this study we focused on five of the most prevalent disturbances in forest ecosystems. 2054 

Specifically, we focused on three abiotic disturbances (fire, harvest, and storms) and two biotic 2055 

disturbances (insect infestation and pathogen infection). Each disturbance type was further 2056 

separated into its causative disturbance agent. Fires were grouped into wildfires, prescribed fires, 2057 

or slash burns. Harvesting was grouped into clear cutting or partial harvesting (e.g. thinning, 2058 

selective harvesting). Storms were subdivided into hurricanes, typhoons, and windthrow. We 2059 

found studies reporting insect infestation by the gypsy moth, hemlock wooly adelgid, pine beetle, 2060 

and pine lappet. Pathogen infection studies reported the effects of pine wilt disease and Phellinus 2061 

weirii infection. Our literature search produced 88 observations of changes in soil microbial 2062 

biomass following forest disturbances, collected from a total of 61 published papers. We found 2063 

35 reports of fungal abundance responses to disturbance from 24 published studies. Finally, we 2064 

found 16 observations of changes in bacteria abundance following disturbance from 12 published 2065 

papers.  2066 

 2067 

Total microbial biomass 2068 

Soil microbial biomass significantly decreased following disturbances, by an average of 2069 

29.4% across all studies (Table 5.1). However, disturbance responses were not consistent across 2070 

studies, as indicated by a significant QT value (QT = 110.95, P = 0.043). Microbial biomass 2071 

responses to disturbance differed significantly between abiotic and biotic disturbances (QM = 2072 

14.68, QE = 99.45, P = 0.038, Figure 5.1A). Fires, harvesting, and storms resulted in significant 2073 

reductions in microbial biomass (by 48.7%, 19.1%, and 41.7%, respectively). In contrast, 2074 

changes in soil microbial biomass following insect attack and pathogen-induced mortality were 2075 

non-significant (Figure 5.1A).  2076 
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Fire, harvest, and insect infestation had high enough replication in the literature to further 2077 

test for differences among groups within each disturbance type. Within fires, microbial biomass 2078 

response ratios were not significantly different among fire types, biomes, or measurement 2079 

methods (Table 5.1). Fires in boreal and temperate forests significant reduced microbial biomass, 2080 

but woodland fires had non-significant effects.  2081 

Following forest harvest, the response of microbial biomass was not significantly 2082 

different between harvest types, biomes, or measurement methods (Table 5.1). Forest clear 2083 

cutting elicited a significant negative response from soil microbes. In contrast, partial harvesting 2084 

did not significantly alter soil microbial biomass. Within insect studies, infestation by pine 2085 

beetles resulted in a significant reduction in soil microbial biomass, while defoliation by the 2086 

gypsy moth significant increased soil microbial biomass (Table 5.1). Studies following storms (n 2087 

= 3) and pathogen infection (n = 2) were scarce in the literature and thus we could not perform 2088 

further comparisons within these disturbance types.  2089 

We performed tests for publication bias separately for each group of microorganisms 2090 

(microbes, fungi, bacteria). Within each group, we also performed tests separately for abiotic and 2091 

biotic studies. Across all microbe studies, we did not detect significant publication bias with any 2092 

of the three tests used (Table S5.2). However, when abiotic and biotic disturbances were 2093 

examined separately, Egger’s regression test was significant for biotic disturbance studies (Table 2094 

S5.2). This indicates a potential bias towards publishing significant results. 2095 

 2096 

Fungi 2097 

Across all studies, disturbances resulted in a 34.0% reduction in fungal abundance (Table 2098 

5.1). Abiotic and biotic disturbances had significantly different effects on fungal biomass (QM = 2099 
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16.45, QE = 30.93, P = 0.008, Figure 5.1B). Fire and harvest resulted in 55.2% and 26.6% 2100 

declines in soil fungi, respectively. Responses of fungi to insect infestation were significantly 2101 

positive (Figure 5.1B). However, it is important to note that insect infestations were only 2102 

represented by two observations in the literature.  2103 

Within fire studies, fungal responses were significantly negative, regardless of fire type, 2104 

biome, or measurement method. Within harvest studies, fungal responses were significantly 2105 

different across biomes. Harvesting in tropical forests led to greater reductions in fungal biomass 2106 

than harvesting in either boreal forests or temperate forests. Harvest responses did not differ by 2107 

harvest type or measurement method. Similar to total soil microbial biomass, clear cutting 2108 

significantly reduced fungal biomass, but partial harvesting had non-significant effects.  2109 

The Kendall’s Tau and Spearman rank correlation tests for publication bias were 2110 

significant for all fungal studies and for fungal studies of abiotic disturbances. However, Egger’s 2111 

regression test detected no significant publication bias for these same studies (Table S5.2). Our 2112 

data set contained only two observations of changes in fungal abundance in response to biotic 2113 

disturbances. Thus, we could not test for publication bias within biotic disturbances for fungi 2114 

using correlation or regression methods.  2115 

 2116 

Bacteria 2117 

Bacterial abundance declined by an average of 15.3% in response to disturbances (Table 2118 

5.1). Bacterial responses to disturbance differed significantly between abiotic and biotic 2119 

disturbances (QM = 29.53, QE = 66.45, P = 0.037, Figure 5.1C). Fire and harvest reduced bacteria 2120 

by 33.3% and 13.9%, respectively. In contrast, bacteria increased following insect infestation 2121 

(Figure 5.1C). Harvesting was the only disturbance type with sufficient replication to further test 2122 



 133 

for differences within harvest studies. Bacteria harvesting responses were significantly different 2123 

across biomes (Table 5.1). Harvesting in tropical forests significantly reduced bacterial biomass, 2124 

but responses in temperate forests were non-significant. There were no significant differences in 2125 

bacterial responses among harvest types and measurement methods. Clear-cutting significantly 2126 

lowered soil bacterial abundance, but there was no significant effect of partial forest harvest.  2127 

A small subset of the studies included in this meta-analysis reported the response of 2128 

specific groups of bacteria to disturbance. Across all of these studies, we found that disturbances 2129 

significantly reduced the abundance of gram-positive (n = 5, 95% CI of R = 0.50-0.99) and 2130 

gram-negative soil bacteria (n = 5, 95% CI of R = 0.58-0.99). Within the gram-positive bacteria, 2131 

actinomycete abundance did not change following disturbances (n = 14, 95% CI of R = 0.73- 2132 

1.09; data not shown). 2133 

We found no evidence for publication bias among bacterial studies (Table S5.2). Similar 2134 

to fungi, we could not use correlation or regression methods to test for publication bias in 2135 

bacterial studies following biotic disturbance because there were only two observations.  2136 

 2137 

Recovery of microbial biomass following disturbances 2138 

There was a significant positive relationship between the time since disturbance and the 2139 

microbial biomass R following boreal forest fires (Figure 5.2A) and boreal forest harvesting 2140 

(Figure 5.2B). Response ratios significantly increased as the time since fire increased in boreal 2141 

forests (n = 21, r2 = 0.793, P < 0.0001). Similarly, microbial response ratios increased with the 2142 

time since harvest in boreal forests (n = 32, r2 = 0.201, P = 0.010), and the relationship was 2143 

linear.   2144 
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We did not detect a significant relationship between microbial biomass response ratios 2145 

and the time since disturbance for any other disturbance type and biome (data not shown). In 2146 

addition, fungal and bacteria response ratios were not significantly related to the time since 2147 

disturbance for any disturbance type and biome (data not shown).  2148 

 2149 

Basal respiration 2150 

A subset of the studies included in this meta-analysis reported changes in soil basal 2151 

respiration following disturbance in addition to changes in microbial biomass measurements (n = 2152 

38). Across all studies that reported both, there was a significant positive correlation between the 2153 

R of soil basal respiration and the R of microbial biomass (r = 0.702, P < 0.0001, Figure 5.3).  2154 

 2155 

Discussion 2156 

In this study, we conducted a meta-analysis of changes in soil microbial biomass in 2157 

response to forest disturbances. We initially hypothesized that forest disturbances would reduce 2158 

soil microbial biomass. In support of this hypothesis, we found that microbial biomass declined 2159 

by an average of 29.4% after disturbance events (Table 5.1). The responses of soil fungi and 2160 

bacteria to disturbance largely mirrored the response of the microbial community as a whole, and 2161 

provide further support for the hypothesis that forest disturbances reduce soil microbial 2162 

abundance. Although bacterial and fungal responses were less frequently studied than the 2163 

response of the microbial community as a whole, these data imply that soil bacteria and fungi are 2164 

affected by forest disturbances in a similar manner. Our data do not suggest that soil fungi are 2165 

more sensitive to disturbance events than bacteria. We further hypothesized that abiotic 2166 

disturbances would lead to greater reductions in microbial biomass than biotic disturbances. In 2167 
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support of this hypothesis, soil microbial responses significantly differed between abiotic and 2168 

biotic disturbances. Fires, harvesting, and storms caused significant reductions in soil microbial 2169 

biomass, while changes in microbial biomass following insect infestation and pathogen-induced 2170 

tree mortality were non-significant (Figure 5.1A). Furthermore, bacterial and fungal abundances 2171 

significantly increased following insect infestation (Figure 5.1B and 5.1C).  2172 

We propose two possible explanations for the differential effect of abiotic and biotic 2173 

disturbances on soil microbial communities. First, abiotic disturbances typically involve higher 2174 

levels of soil disruption during the disturbance event than biotic disturbances. For example, 2175 

harvesting practices involve the use of logging equipment that can result in heavy soil 2176 

compaction. Soil compaction alters soil pore space, potentially leading to impaired gas exchange, 2177 

decreased soil drainage, and inhibition of soil microbial growth (Kabzems and Haeussler 2005, 2178 

Mariani et al. 2006). Forest fires cause soil disruption in the form of soil combustion and heating 2179 

of the soil surface. Soil surface temperatures during forest fires can reach up to 600 °C (Busse et 2180 

al. 2005), which is well above the upper thermal limit of most microbial taxa (DeBano et al. 2181 

1998).  Storms cause soil disruption by uprooting trees, which can cause soil mixing and changes 2182 

in soil microtopography (Ruel 1995). These direct effects of abiotic disturbances on soil 2183 

properties may in part explain the observed post-disturbance reductions in microbial biomass. In 2184 

contrast, biotic disturbances do not typically involve immediate soil physical changes and are 2185 

likely to have mostly indirect effects on soil properties (Hicke et al. 2012). Lower levels of soil 2186 

physical disruption following biotic disturbances may in part explain the non-significant effect of 2187 

these disturbances on soil microbial biomass.  2188 

In addition, abiotic and biotic disturbances differ in the amount and type of organic C 2189 

remaining in ecosystems following the disturbance event and this may have consequences for 2190 
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soil microbial communities. Fires remove large amounts of organic C from ecosystems via the 2191 

combustion of aboveground vegetation and soil organic matter (Amiro et al. 2001, van der Werf 2192 

et al. 2010). The more labile components of soil organic matter may be preferentially volatized 2193 

during fires (González-Pérez et al. 2004, Neff et al. 2005), leaving behind organic C that is more 2194 

difficult for microbes to decompose. Harvesting also removes large amounts of organic C from 2195 

forests, but can deposit fine woody debris on the soil surface. On the other hand, biotic 2196 

disturbances are associated with smaller amounts of organic C removal from forests. Although 2197 

insect or pathogen outbreaks may kill trees, they can also result in an influx of dead plant litter, 2198 

insect feces, and dead insect biomass to forest soils (Lovett et al. 2002, Yang 2004, Hicke et al. 2199 

2012). Higher amounts of organic C removal from forests during abiotic disturbances may cause 2200 

C limitation of soil microbial growth, and thus reductions in soil microbial biomass. With our 2201 

meta-analysis approach, we were unable to evaluate whether differences in soil physical 2202 

disruption, organic C removal, or a combination of both factors, were responsible for the 2203 

differential effect of abiotic and biotic disturbances on soil microbial communities. Future 2204 

studies that are mechanistic rather than observational will make it possible to disentangle the 2205 

factors that govern microbial responses to disturbance events.  2206 

While the mechanisms described above may explain the contrasting effects of abiotic and 2207 

biotic disturbances that we observed, it is also important to consider that we found evidence for 2208 

publication bias in studies of microbial biomass following biotic disturbances and in all fungal 2209 

studies. The presence of publication bias suggests that the effects of disturbance that are reported 2210 

in the literature may not be representative of all microbial responses. Moreover, microbial (n = 2211 

8), fungal (n = 2), and bacterial (n = 2) biomass responses to biotic disturbances were poorly 2212 
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represented in the literature. Therefore, the differences that we observed between abiotic and 2213 

biotic disturbances may also be attributable to the scarcity of data on biotic disturbances.  2214 

In some cases, contrasts between disturbance agents revealed interesting differences in 2215 

soil microbial responses. For example, clear cutting consistently reduced microbial abundance, 2216 

but partial forest harvesting did not result in significant changes in total microbial biomass, 2217 

fungal abundance, or bacterial abundance (Table 5.1). In comparison to clear cutting, partial 2218 

harvesting is associated with lower levels of soil compaction and vegetation removal (Barg and 2219 

Edmonds 1999). Together these factors may explain the reduced impact of partial harvesting on 2220 

belowground communities (Lindo and Visser 2003). In addition, we found that gypsy moths and 2221 

pine beetles had contrasting effects on soil microbial communities (Table 5.1). Pine beetle 2222 

infestation reduced microbial biomass (95% CI of R = 0.367-0.646), while microbial biomass 2223 

increased following gypsy moth defoliation (95% CI of R = 1.419-1.505). The differential effect 2224 

of these insects on soil microbial biomass may be explained by their ecology. Gypsy moths are 2225 

leaf-feeders that defoliate trees and reduce tree growth. However, gypsy moth feeding does not 2226 

always kill trees. In contrast, pine beetles do not consume tree needles, but instead feed within 2227 

the phloem and typically result in tree death (Hicke et al. 2012). Although represented by a 2228 

limited number of studies, our results suggest that tree defoliating and tree killing insects may 2229 

have contrasting effects of soil microbial communities and potentially forest C dynamics.  2230 

In addition to changing microbial biomass, disturbances may also alter the composition 2231 

of soil microbial communities. Denaturing gradient gel electrophoresis and phospholipid fatty 2232 

acid profiles have been used to detect broad changes in microbial community structure following 2233 

harvesting and forest fires (Siira-Pietikainen et al. 2001, Waldrop and Harden 2008). Next 2234 

generation sequencing of environmental samples has made it possible to examine compositional 2235 



 138 

changes in microbial communities following disturbances in greater detail. For example, 2236 

Hartmann et al. (2012) found that harvesting significantly altered the composition of soil 2237 

bacterial and fungal communities, with ectomycorrhizal taxa and actinobacteria being most 2238 

sensitive to harvesting disturbance. Ectomycorrhizal fungi were also sensitive to forest fires in 2239 

boreal forests, while ascomycete fungi increased in abundance following fire (Holden et al. 2240 

2013). These changes in microbial community structure following disturbance suggest that 2241 

microbial species are differentially affected by disturbance. The functional consequences of 2242 

compositional changes in soil microbial communities in response to disturbances require further 2243 

testing. For instance, if plant symbiotic microbes are sensitive to disturbance, the ability of plants 2244 

to re-establish following disturbances may be hindered. Changes in the composition of soil 2245 

microbial communities following biotic disturbances have rarely been studied, but would greatly 2246 

contribute to our knowledge of soil microbial responses to disturbances.  2247 

We found a significant positive relationship between the time since disturbance and 2248 

microbial biomass responses following fire and harvesting in boreal forests (Figure 5.2). These 2249 

results are consistent with our third hypothesis, that post-disturbance changes in microbial 2250 

biomass would weaken over time. Following both harvesting and fires in boreal forests, 2251 

microbial responses were typically negative for the first 15 years following disturbance. This 2252 

finding suggests that forest disturbances can have long-term consequences for belowground 2253 

communities. Eddy covariance studies and ground-based vegetation surveys have found that 2254 

primary productivity requires up to ten years to recover following harvest and fires in boreal 2255 

forests (Mack et al. 2008, Amiro et al. 2010, Goulden et al. 2011). In addition, post-fire 2256 

reductions in soil C and soil organic matter can persist for at least ten years following boreal 2257 

forest fires (Johnson and Curtis 2001, Treseder et al. 2004). Thus, the recovery of soil microbial 2258 
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biomass following harvesting and forest fires may be controlled by the recovery of forest 2259 

primary productivity and soil organic matter accumulation. We found no evidence for a 2260 

significant relationship between the time since disturbance and microbial abundance responses 2261 

for any other disturbance type or biome. Although, the majority of the studies used in this meta- 2262 

analysis assessed microbial responses to disturbance within one year of the disturbance event. 2263 

The paucity of long-term data may have limited our ability to detect significant relationships 2264 

between microbial biomass responses and the time since disturbance. Additional long-term 2265 

studies, especially following insect outbreaks and pathogen infection, are necessary to evaluate 2266 

the belowground consequences of forest disturbances.  2267 

Classic ecosystem theory posits that soil microbial respiration increases following 2268 

disturbance (Chapin et al. 2011b, Harmon et al. 2011). Microbial respiration has long been 2269 

assumed to increase following forest disturbance events because soil temperatures usually 2270 

increase after disturbances and because disturbances can result in the deposition of plant litter 2271 

and/or woody debris on the soil surface. Instead, we hypothesized that post-disturbance changes 2272 

in microbial biomass would be associated with concurrent changes in microbial respiration. In 2273 

support of our hypothesis, we found a significant positive correlation between the response of 2274 

microbial biomass to disturbance and the response of soil basal respiration (Figure 5.3). 2275 

Therefore, decreases in soil microbial biomass following abiotic disturbances may be 2276 

accompanied by reductions in microbial respiration. This finding is in agreement with 2277 

ecosystem-level studies that have measured microbial respiration following disturbance events 2278 

and found post-disturbance decreases in microbial respiration (Amiro et al. 2003, Czimczik et al. 2279 

2006). Although, the microbial respiration data reported here were measured in the laboratory 2280 

under standardized conditions. It is therefore possible that differences in soil conditions between 2281 
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disturbed and undisturbed forests may cause differences in microbial respiration in the field. 2282 

However, any post-disturbance increases in microbial respiration would likely result from 2283 

increases in mass-specific rates of respiration, since microbial abundance declined by an average 2284 

of 29.4% following disturbances. Our understanding of changes in microbial respiration 2285 

following disturbance would benefit from additional studies that combine in situ measurements 2286 

of microbial respiration with detailed microbial community analyses. 2287 

In summary, we found that forests disturbances significantly reduced soil microbial 2288 

biomass, but that responses differed by disturbance type. Microbial biomass responses were 2289 

consistently negative following abiotic disturbances, but our data suggest that forest disturbances 2290 

caused by biotic agents may have a neutral or positive effect on microbial abundance in soil. 2291 

This contrast is potentially attributable to differences in soil physical disruption and organic C 2292 

removal from forests between abiotic and biotic disturbances. Evidence for publication bias in 2293 

biotic studies, and the overall paucity of data on soil microbial responses to biotic disturbances, 2294 

may have also contributed to the patterns we observed. Further studies following biotic 2295 

disturbances will help clarify their impact on soil microbial communities. We found that changes 2296 

in soil microbial biomass following disturbances were significantly related to changes in 2297 

microbial respiration. Disturbances are common in forest ecosystems and one indirect impact of 2298 

climate warming in terrestrial ecosystems may be an increase in the frequency and severity of 2299 

disturbance events in forests. Our results imply that these disturbance events can alter soil 2300 

microbial biomass in forests, with corresponding consequences for microbial respiration and 2301 

ecosystem C balance. 2302 

 2303 

 2304 
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Tables 2305 
 2306 
Table 5.1. Results of statistical comparisons among and within groups.  2307 
 2308 

Organism Group Sub-group R 95% CI 
Number 
of 
studies 

QM QE 

P-
value 
among 
groupsa 

Microbes All microbe 
studies* 

 0.71 0.63-0.80 88    

 Abiotic All abiotic studies* 0.68 0.61-0.76 80    
 Fire All fire studies* 0.51 0.38-0.66 28    
    Fire Type Prescribed fire* 0.65 0.47-0.87 13 2.79 29.86 0.160 
  Wildfire* 0.41 0.23-0.60 15    
    Biome Boreal forest* 0.46 0.35-0.60 7 6.14 26.26 0.110 
  Temperate forest* 0.35 0.19-0.57 11    
  Woodland/shrubland 0.79 0.53-1.09 10    
    Measurement     Chloroform 

fumigation* 
0.46 0.31-0.64 21 3.44 27.17 0.303 

  PLFA* 0.72 0.65-0.84 3    
  SIR* 1.17 1.06-1.29 2    
 Harvest All harvest studies* 0.81 0.72-0.88 49    
    Harvest type Clear cut* 0.78 0.67-0.86 34 1.23 42.01 0.315 
  Partial harvest 0.89 0.78-1.02 13    
    Biome Boreal forest* 0.87 0.81-0.94 20 1.76 46.37 0.434 
  Temperate forest* 0.77 0.63-0.90 24    
  Tropical forest* 0.75 0.51-0.97 5    
    Measurement  Chloroform 

fumigation* 
0.79 0.58-0.93 21 2.12 47.85 0.511 

  PLFA* 0.90 0.81-0.98 11    
  SIR* 0.79 0.70-0.90 13    
 Storm All storm studies* 0.58 0.25-0.85 3    
 Biotic All biotic studies 0.90 0.74-1.30 8    
 Insect All insect studies 0.87 0.59-1.21 6    
    Insect type Gypsy moth* 1.46 1.42-1.51 2 28.23 2.51 0.102 
  Pine beetle* 0.59 0.37-0.65 3    
    Biome Boreal forest* 1.46 1.42-1.51 2 7.07 4.08 0.061 
  Temperate forest* 0.68 0.44-0.92 4    
    Measurement  Chloroform 

fumigation* 
0.68 0.44-0.92 4 7.07 4.08 0.061 

  SIR* 1.46 1.42-1.51 2    
 Pathogen All pathogen studies 0.93 0.54-1.55 2    
         
Fungi All fungi 

studies* 
 0.66 0.57-0.76 35    

 Abiotic All abiotic studies* 0.64 0.56-0.73 33    
 Fire All fire studies* 0.45 0.36-0.57 13    
    Fire Type Prescribed fire* 0.41 0.35-0.51 7 0.02 11.89 0.864 
  Wildfire* 0.43 0.31-0.56 5    
    Biome Boreal forest* 0.37 0.31-0.41 4 2.53 10.00 0.241 
  Temperate forest* 0.55 0.35-0.78 5    
  Woodland/shrubland* 0.50 0.35-0.61 4    
    Measurement     Dilution plate count* 0.53 0.03-0.63 3 16.04 8.54 0.066 
  Ergosterol* 0.36 0.30-0.42 2    
  Microscopy* 0.74 0.60-0.89 3    
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Organism Group Sub-group R 95% CI 
Number 
of 
studies 

QM QE 

P-
value 
among 
groupsa 

  PLFA* 0.37 0.34-0.46 4    
 Harvest All harvest studies* 0.73 0.62-0.84 20    
    Harvest type Clear cut* 0.70 0.60-0.80 15 1.44 17.20 0.249 
  Partial harvest 0.86 0.60-1.14 5    
    Biome Boreal forest* 0.84 0.75-0.91 11 22.46 34.39 0.015 
  Temperate forest* 0.71 0.52-0.95 7    
  Tropical forest* 0.45 0.45-0.45 2    
    Measurement  Dilution plate count 0.68 0.45-1.01 4 1.18 14.64 0.562 
  Microscopy* 0.62 0.47-0.75 3    
  PLFA* 0.79 0.65-0.94 12    
 Biotic All biotic studies* 1.13 1.07-1.19 2    
 Insect All insect studies* 1.13 1.07-1.19 2    
         
Bacteria All bacteria 

studies* 
 0.85 0.73-0.95 16    

 Abiotic All abiotic studies* 0.81 0.70-0.92 14    
 Fire All fire studies* 0.67 0.47-0.82 4    
 Harvest All harvest studies* 0.86 0.71-0.97 10    
    Harvest type Clear cut* 0.89 0.70-0.98 8 4.25 58.96 0.369 
  Partial harvest 0.74 0.63-1.52 2    
    Biome Temperate forest 0.99 0.96-1.01 7 132.14 18.96 0.020 
  Tropical forest* 0.60 0.57-0.63 2    
    Measurement  Dilution plate count 0.74 0.57-1.00 3 15.69 32.89 0.278 
  Microscopy 0.99 0.98-1.01 3    
  PLFA 0.88 0.70-1.52 3    
 Biotic All biotic studies* 1.12 1.11-1.13 2    
 Insect All insect studies* 1.12 1.11-1.13 2    
PLFA = phospholipid fatty acid, SIR = substrate induced respiration 2309 
* Significant effect of disturbance on group (P < 0.05) 2310 
a Only groups represented by two or more studies were included in comparisons 2311 
 2312 
 2313 
 2314 
 2315 
 2316 
 2317 
 2318 
 2319 
 2320 
 2321 
 2322 
 2323 
 2324 
 2325 
 2326 
 2327 
 2328 
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Figures 2329 
 2330 

 2331 
 2332 
Figure 5.1. Responses of microbial biomass (A), fungal abundance (B), and bacterial abundance 2333 
(C) to forest disturbances. Response ratios are grouped by abiotic and biotic disturbances 2334 
(unshaded) and by disturbance type (shaded). Symbols are means ± 95% confidence intervals. A 2335 
response ratio < 1 indicates that microbial abundances declined following disturbance, a 2336 
response ratio > 1 indicates an increase in microbial biomass.  2337 
 2338 
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 2339 

 2340 
 2341 
Figure 5.2. The response ratio of microbial biomass as a function of the time since disturbance 2342 
following boreal forest fires (A) and boreal forest harvesting (B). Response ratios significantly 2343 
increased with time after boreal forest fires (R = 0.51 × (time since disturbance)^0.26, n = 21, r2 2344 
= 0.793, P < 0.0001) and boreal forest harvest (R = 0.01 × time since disturbance + 0.81, n = 32, 2345 
r2 = 0.201, P = 0.010). 2346 
 2347 
 2348 
 2349 
 2350 
 2351 
 2352 
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 2353 

 2354 
 2355 
Figure 5.3. The relationship between the response ratio of soil basal respiration and the response 2356 
ratio of microbial biomass. Each symbol designates one study. Line is the best-fit regression 2357 
(basal respiration R = 0.84 × microbial biomass R + 0.24, n = 38, r2 = 0.492, P < 0.0001). The 2358 
response of soil basal respiration is significantly related to the response of microbial biomass 2359 
following disturbances.  2360 
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Supplementary Tables  
 
Table S5.1. A list of the studies used in forest disturbance meta-analysis. 
 

Study Disturbance 
Type 

Disturbance 
Agent Biome 

Time Since 
Disturbance 

(Y) 

Biomass 
Method R lnR 

Microbes:        
Bååth et al. 1995 Fire PF BF 2.50 PLFA 0.65 -0.43 
Bárcenas-Moreno et al. 
2011 

Fire WF TF 2.67 CF 0.38 -0.96 

D'Ascoli et al. 2005 Fire PF WS 0.02 SIR 1.29 0.26 
Dannenmann et al. 2011 Fire WF WS 0.50 CF 0.75 -0.29 
Dangi et al. 2010 Fire PF WS 3.00 PLFA 0.69 -0.38 
De Marco et al. 2005 Fire PF WS 40 CF 1.43 0.26 
Dumontet et al. 1996 Fire WF TF 0.08 CF 0.75 -0.29 
Fioretto et al. 2005 Fire PF WS 0.02 ATP 0.25 -1.39 
Fenn et al. 1993 Fire WF WS 0.01 SIR 1.06 0.06 
Fonturbel et al. 2012 Fire PF WS 0.01 SF 0.66 -0.42 
Fritze et al. 1993 Fire PF BF 0.01 CF 0.78 -0.24 
Fritze et al. 1994 Fire PF BF 2.00 CF 0.39 -0.93 
Goberna et al. 2012 Fire PF WS 0.01 CF 1.08 0.08 
Gömöryová et al. 2008 Fire WF TF 0.96 Micro 0.59 -0.52 
Grady and Hart 2006 Fire WF TF 7.00 CF 0.38 -0.98 
Hamman et al. 2007 Fire WF TF 1.00 PFLA 0.84 -0.18 
Kara and Bolat 2009 Fire WF TF 0.17 CF 0.98 -0.02 
LeDuc and Rothstein 2007 Fire WF TF 4.50 CF 0.61 -0.49 
Litton et al. 2003 Fire WF TF 13.00 CF 0.44 -0.83 
Mabuhay et al. 2006 Fire WF TF 0.01 CF 0.04 -3.12 
Palese et al. 2004 Fire PF WS 1.00 CF 0.37 -1.00 
Pietikäinen and Fritze 1995 Fire PF BF 1.00 CF 0.31 -1.18 
Prieto-Fernández et al. 1998 Fire WF TF 0.01 CF 0.04 -3.14 
Rutigliano et al. 2007 Fire PF WS 0.02 CF 1.50 0.41 
Smith et al. 2008 Fire WF BF 0.50 CF 0.25 -1.37 
Swallow et al. 2009 Fire PF BF 1.83 CF 0.51 -0.67 
Waldrop and Harden 2008 Fire WF BF 5.00 CF 0.43 -0.83 
Arunachalam et al. 1996 Harvest CC TF 1.08 CF 0.19 -1.66 
Bååth et al. 1995 Harvest CC BF 3.17 PLFA 0.72 -0.33 
Barbhuiya et al. 2004 Harvest CC TrF 7.00 CF 0.37 -1.00 
Barbhuiya et al. 2004 Harvest PH TrF 8.00 CF 0.58 -0.54 
Barg and Edmonds 1999 Harvest CC TF 3.50 CF 1.07 0.06 
Barg and Edmonds 1999 Harvest PH TF 3.50 CF 1.13 0.13 
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Study Disturbance 
Type 

Disturbance 
Agent Biome 

Time Since 
Disturbance 

(Y) 

Biomass 
Method R lnR 

Bradley et al. 2001 Harvest CC TF 4.00 SIR 0.67 -0.40 
Bradley et al. 2001 Harvest PH TF 4.00 SIR 0.70 -0.35 
Busse et al. 2006 Harvest CC TF 6.00 SIR 0.47 -0.76 
Chang et al. 1995 Harvest CC TF 3.00 CF 0.63 -0.46 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.83 -0.19 
Edmonds et al. 2000 Harvest CC TF 3.50 CF 1.19 0.18 
Entry et al. 1986 Harvest CC TF 2.00 CF 1.02 0.02 
Forge and Simard 2000 Harvest CC TF 2.00 CF 0.51 -0.67 
Grady and Hart 2006 Harvest PH TF 8.00 CF 0.64 -0.44 
Hannam et al. 2006 Harvest CC BF 4.50 PLFA 0.88 -0.12 
Hannam et al. 2006 Harvest PH BF 4.50 PLFA 0.89 -0.11 
Hassett and Zak 2005 Harvest CC BF 10.00 PLFA 0.77 -0.26 
Hazlett et al. 2007 Harvest CC BF 2.00 CF 0.82 -0.20 
Holmes and Zak 1999 Harvest CC BF 1.00 CF 1.31 0.27 
Houston et al. 1999 Harvest CC BF 8.00 SIR 0.71 -0.35 
Lapointe et al. 2005 Harvest CC BF 1.50 SIR 0.94 -0.06 
LeDuc and Rothstein 2007 Harvest CC TF 4.50 CF 0.69 -0.37 
Lindo and Visser 2003 Harvest CC BF 2.50 SIR 0.73 -0.31 
Maassen et al. 2006 Harvest PH TF 5.00 SIR 1.56 0.45 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 0.66 -0.42 

Pérez-Batallón et al. 2001 Harvest CC TF 1.00 CF 0.99 -0.01 
Pietikäinen and Fritze 1995 Harvest CC BF 3.00 CF 0.73 -0.32 
Saynes et al. 2012 Harvest PH TrF 1.00 CF 0.63 -0.47 
Siira- Pietikäinen et al. 2000 Harvest CC BF 0.17 SIR 0.97 -0.03 
Siira- Pietikäinen et al. 2000 Harvest PH BF 0.17 SIR 0.80 -0.22 
Smith et al. 2008 Harvest CC BF 0.50 CF 0.82 -0.20 
Tan et al. 2008 Harvest PH BF 24 CF 1.21 0.19 
Taylor et al. 1999 Harvest CC TF 3.21 Count 0.88 -0.13 
Wright and Coleman 2002 Harvest CC TF 0.25 CF 0.97 -0.03 
Zhao et al. 2011 Harvest CC TrF 0.33 PLFA 1.12 0.11 
Zu et al. 2009 Harvest CC TF 8.00 CF 1.10 0.09 
Gömöryová et al. 2008 Storm WT TF 0.96 Micro 0.54 -0.61 
Tsai et al. 2007 Storm TY TrF 0.01 CF 0.24 -1.41 
Wright and Coleman 2002 Storm HU TF 0.25 CF 1.04 0.04 
Bogorodskaya et al. 2009 Insect GM BF 0.13 SIR 1.41 0.35 
le Mellec and Michalzik 
2008 

Insect PL TF 0.08 CF 1.03 0.03 

Xiong et al. 2011 Insect PB TF 2.00 CF 0.60 -0.52 
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Study Disturbance 
Type 

Disturbance 
Agent Biome 

Time Since 
Disturbance 

(Y) 

Biomass 
Method R lnR 

Xiong et al. 2011 Insect PB TF 4.00 CF 0.67 -0.41 
Cromack et al. 1991 Pathogen PW TF 2.00 CF 0.54 -0.61 
Mabuhay and Nakagoshi 
2012 

Pathogen PWD TF 2.00 CF 1.55 0.44 

Fungi:        
Bååth et al. 1995 Fire PF BF 2.50 PLFA 0.37 -0.99 
Bárcenas-Moreno et al. 
2011 

Fire WF TF 2.67 PLFA 0.33 -1.10 

Capogna et al. 2009 Fire PF WS 0.23 Count 0.42 -0.87 
D'Ascoli et al. 2005 Fire PF WS 0.02 Microsc 0.60 -0.51 
Dangi et al. 2010 Fire PF WS 3.00 PLFA 0.34 -1.08 
Esquilín et al. 2007 Fire SB TF 0.02 Microsc 0.89 -0.12 
Fritze et al. 1994 Fire PF BF 2.00 Ergosterol 0.42 -0.87 
Hamman et al. 2007 Fire WF TF 1.00 PLFA 0.53 -0.64 
Kara and Bolat 2009 Fire WF TF 0.17 Count 0.62 -0.47 
Mabuhay et al. 2006 Fire WF TF 0.01 Count 0.03 -3.47 
Pietikäinen and Fritze 1995 Fire PF BF 1.00 Ergosterol 0.30 -1.21 
Rutigliano et al. 2007 Fire PF WS 0.02 Microsc 0.61 -0.50 
Waldrop and Harden 2008 Fire WF BF 5.00 qPCR 0.40 -0.93 
Bååth et al. 1995 Harvest CC BF 3.17 PLFA 0.41 -0.89 
Barbhuiya et al. 2004 Harvest CC TrF 7.00 Count 0.45 -0.79 
Barbhuiya et al. 2004 Harvest PH TrF 8.00 Count 0.45 -0.79 
Carter et al. 2002 Harvest CC TF 0.50 Count 1.00 0.00 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.47 -0.76 
Forge and Simard 2000 Harvest CC TF 2.00 Microsc 0.47 -0.76 
Hannam et al. 2006 Harvest CC BF 4.50 PLFA 0.88 -0.13 
Hannam et al. 2006 Harvest PH BF 4.50 PLFA 1.00 0.00 
Hassett and Zak 2005 Harvest CC BF 10.00 PLFA 0.85 -0.16 
Hernesmaa et al. 2008 Harvest CC BF 0.75 Count 1.02 0.02 
Maassen et al. 2006 Harvest PH TF 5.00 PLFA 1.6 0.47 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 0.49 -0.70 

Pietikäinen and Fritze 1995 Harvest CC BF 3.00 Ergosterol 0.68 -0.39 
Stadler et al. 2008 Insect HWA TF 0.08 Count 1.19 0.17 
Bacteria:        
Bååth et al. 1995 Fire PF BF 2.50 PLFA 0.73 -0.31 
Bárcenas-Moreno et al. 
2011 

Fire WF TF 2.67 PLFA 0.43 -0.85 

Esquilín et al. 2007 Fire SB TF 0.02 Microsc 0.77 -0.26 
Hamman et al. 2007 Fire WF TF 1.00 PLFA 0.94 -0.06 
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Study Disturbance 
Type 

Disturbance 
Agent Biome 

Time Since 
Disturbance 

(Y) 

Biomass 
Method R lnR 

Kara and Bolat 2009 Fire WF TF 0.17 Count 5.73 1.75 
Bååth et al. 1995 Harvest CC BF 3.17 PLFA 0.76 -0.28 
Barbhuiya et al. 2004 Harvest CC TrF 7.00 Count 0.57 -0.57 
Barbhuiya et al. 2004 Harvest PH TrF 8.00 Count 0.63 -0.46 
Carter et al. 2002 Harvest CC TF 0.50 Count 1.00 0.00 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.84 -0.17 
Forge and Simard 2000 Harvest CC TF 2.00 Microsc 0.98 -0.02 
Maassen et al. 2006 Harvest PH TF 5.00 PLFA 1.52 0.42 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 0.66 -0.42 

Stadler et al. 2008 Insect HWA TF 0.08 Count 1.10 0.10 
Gram-negative bacteria:        
Dangi et al. 2012 Fire PF WS 3.00 PLFA 0.69 -0.37 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.96 -0.04 
Hassett and Zak 2005 Harvest CC BF 10.00 PLFA 1.01 0.01 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 0.99 0.00 

Mabuhay and Nakagoshi 
2012 

Pathogen PWD TF 2.00 Count 0.46 -0.77 

Gram-positive bacteria:        
Dangi et al. 2012 Fire PF WS 3.00 PLFA 0.86 -0.15 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.62 -0.47 
Hassett and Zak 2005 Harvest CC BF 10.00 PLFA 1.00 0.00 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 1.10 0.10 

Mabuhay and Nakagoshi 
2012 

Pathogen PWD TF 2.00 Count 0.35 -1.04 

Actinomycetes:        
Bárcenas-Moreno et al. 
2011 

Fire WF TF 2.67 PLFA 2.84 1.04 

Dangi et al. 2012 Fire PF WS 3.00 PLFA 0.66 -0.42 
Carter et al. 2002 Harvest CC TF 0.50 Count 1.00 0.00 
Chatterjee et al. 2008 Harvest CC TF 15.00 PLFA 0.88 -0.13 
Hannam et al. 2006 Harvest CC BF 4.50 PLFA 1.06 0.06 
Hannam et al. 2006 Harvest PH BF 4.50 PLFA 1.00 0.00 
Hassett and Zak 2005 Harvest CC BF 10.00 PLFA 0.98 -0.03 
Maassen et al. 2006 Harvest PH TF 5.00 PLFA 1.17 0.15 
Moore-Kucera and Dick 
2008 

Harvest CC TF 8.00 PLFA 1.11 0.11 

Mabuhay and Nakagoshi 
2012 

Pathogen PWD TF 2.00 Count 0.29 -1.23 

PF= prescribed fire, SB = slash burn, WF = wildfire, CC = clear cut, PH = partial harvest, HU = 
hurricane, WT = wind throw, TY = typhoon, GM = gypsy moth, HWA = hemlock wooly 
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adelgid, PB = pine beetle, PL = pine lappet, PW = Phellinus weirii infection, PWD = pine wilt 
disease, BF = boreal forest, TF = temperate forest, TrF = tropical forest, WS = 
woodland/shrubland, CF = chloroform fumigation, Count = dilution plate count, Micro = 
microwave irradiation, Microsc = microscopy, PLFA = phospholipid fatty acid, qPCR = 
quantitative PCR, SIR = substrate-induced respiration
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Table S5.2. Outcomes of test for publication bias. Tests could not be performed on biotic studies 
within fungi and bacteria because not enough studies were present. Boldface type indicates 
significance at P < 0.05 
 

Organism Group 
Kendall’s Tau Rank 
Correlation 

Spearman Rank 
Correlation 

Egger’s 
Regression 

Microbes All microbe studies τ: -0.084 
P:  0.249 

ρ: -0.099 
P: 0.360 

Intercept: -5.62 
P: 0.136 

 All abiotic τ: -0.038 
P: 0.618 

ρ: -0.037 
P: 0.746 

Intercept: -5.99 
P: 0.124 

 All biotic τ: -0.512 
P: 0.076 

ρ: -0.655 
P: 0.078 

Intercept: -5.71 
P: 0.029 

Fungi All fungi studies τ: -0.314 
P: 0.008 

ρ: -0.416 
P: 0.013 

Intercept: -7.23 
P: 0.377 

 All abiotic τ: -0.425 
P: 0.001 

ρ: -0.560 
P: 0.001 

Intercept: -5.61 
P: 0.230 

 All biotic n.a. 
 

n.a n.a. 

Bacteria All bacteria studies τ: 0.033 
P: 0.855 

ρ: 0.062 
P: 0.812 

Intercept: -2.67 
P: 0.537 

 All abiotic τ: 0.082 
P: 0.669 

ρ: 0.144 
P: 0.608 

Intercept: -4.00 
P: 0.446 

 All biotic n.a. n.a. n.a. 
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CONCLUSION 

The response of carbon (C) storage in terrestrial ecosystems to climate warming and 

other elements of global change is an area of great interest and debate in ecosystem ecology. 

Terrestrial C storage is regulated by the balance between C gains through photosynthesis and C 

losses to the atmosphere via decomposition. Therefore, understanding how these processes are 

altered by environmental change is central to our ability to accurately predict future terrestrial C 

storage. Soil bacteria and fungi are the primary drivers of decomposition in terrestrial 

ecosystems, and we are just beginning to understand how decomposer organisms and 

decomposition processes change in response to temperature, moisture, and nutrient alterations 

(Zhang et al. 2008, Prescott 2010). However, the response of soil microbial communities and 

decomposition to other global change elements remains relatively uncertain. In particular, one 

under-studied element of global change with unknown consequences for decomposition rates is 

increases in the occurrence of disturbance events (Dale et al. 2001). Classic ecosystem theory of 

secondary succession predicts that the rate of decomposition increases following disturbance 

events (Covington 1981, Chapin et al. 2011b, Harmon et al. 2011), but this prediction has seldom 

been directly tested. Therefore, the overarching questions of my dissertation were (1) How do 

soil microbial communities and decomposition rates respond to disturbance events both 

immediately and throughout secondary succession? and (2) What mechanisms govern changes in 

decomposition following disturbance events? 

The first part of my dissertation work examined these questions within the context of 

wildfires in boreal forests. It is especially important to clarify the response of decomposition to 

boreal forest fires, because boreal forests store a large fraction of global soil C (Tarnocai et al. 

2009) and are expected to experience significant increases in wildfire activity during the 21st 
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Century (Balshi et al. 2009, de Groot et al. 2013). I established a fire chronosequence in interior 

Alaska with boreal forest stands that were 1, 7, 12, 24, 55, ~90, ~100 years post-fire. In Chapter 

1, I measured soil microbial biomass, fungal abundance, fungal community composition, 

extracellular enzyme activity, and the rate of litter decomposition at each of these sites. I found 

that recently burned boreal forests stands had lower levels of microbial biomass, decreased 

fungal hyphal length, and reduced extracellular enzyme activity. Soil microbial abundance 

required at least 24 years to return to pre-fire levels. I also demonstrated that recently burned 

stands had lower levels of ectomycorrhizal fungi compared to late successional stands. Finally, I 

observed that the rate of decomposition increased linearly with the time since fire, and the rate of 

decomposition was slowest at the 1-year burn site.  

My first chapter indicated that boreal forest fires significantly alter soil microbial biomass 

and community composition. Because boreal forest fire severity is also predicted to increase with 

climate warming (Turetsky et al. 2011, Flannigan et al. 2013), I was subsequently interested in 

understanding how the response of the soil microbial community to boreal forest fires differs as a 

function of fire severity. I addressed this question in Chapter 2 by sampling from 19 locations 

within the 1-year burn site that differed in fire severity. At each of these locations I characterized 

soil microbial biomass and fungal community composition. I used the remote sensing derived 

differenced normalized burn ratio to estimate fire severity at each sampling location. I found that 

soil microbial biomass significantly declined with increasing fire severity. In addition, fungal 

community composition differed as a function of fire severity. Ectomycorrhizal taxa accounted 

for approximately half of fungal DNA sequences in low severity burn sites, but were nearly 

absent in sites that burned at high severity.  

The first chapter of my dissertation also demonstrated that decomposition rates were 
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slower in recently burned boreal forest stands. Therefore, in Chapter 3 I examined the 

mechanisms that govern changes in decomposition following boreal forest fires. Three possible 

mechanisms through which fire could alter decomposition rates are changes in (1) abiotic 

conditions, (2) the quality and quantity of substrates available for decomposition, and (3) the soil 

microbial community (Chapin et al. 2011a). To test these potential mechanisms, I used a 

reciprocal transplant between the 1-year burn site and the 100-year burn site to independently 

manipulate soil abiotic conditions, the organic substrates available for decomposition, and the 

microbial community. I then measured the consequences for decomposition. I found that the rate 

of decomposition was slower in the 1-year burn site than the 100-year burn site. Furthermore, 

this study indicated that post-fire decreases in soil moisture and the quality of soil organic matter 

were responsible for reduced rates of decomposition in the recently burned forest. However, I did 

not find evidence that post-fire changes in soil microbial community composition significantly 

influenced post-fire decomposition rates.  

In the second part of my dissertation work I used meta-analysis to examine the response 

of soil microbial communities to additional types of disturbance events. In Chapter 4, I 

conducted a global meta-analysis of 42 published soil microbial biomass responses to fire. 

Across all studies, I found that fire reduced microbial abundance by an average of 33.2% and 

fungal abundance by an average of 47.6%. However, microbial responses to fire differed 

significantly among biomes and fire types. For example, microbial biomass significantly 

declined following fires in boreal and temperate forests but not following grasslands fires. In 

addition, wildfires led to greater reductions in microbial biomass than prescribed burns. These 

differences are likely related to differences in fire severity among biomes and fire types.  

In Chapter 5, I conducted a meta-analysis of 139 published soil microbial biomass 
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responses to forest disturbance events. These disturbances included fire, harvesting, storms, 

insect outbreaks, and pathogen-induced tree mortality. Across all published studies, I found that 

disturbances reduced soil microbial biomass by an average of 29.4%. However, microbial 

responses differed between abiotic and biotic disturbances. Microbial responses were 

significantly negative following fires, harvesting, and storms (48.7, 19.1, and 41.7% reductions 

in microbial biomass, respectively). In contrast, changes in soil microbial biomass following 

insect infestation and pathogen-induced tree mortality were non-significant. The differential 

response of soil microbial biomass to abiotic and biotic disturbances may be related to 

differences in soil disruption and/or organic C removal from forests among disturbance types. 

Biotic disturbances are currently poorly represented in the literature and require further study.  

In summary, my dissertation research has shown that abiotic disturbance events decrease 

soil microbial biomass and alter soil fungal community composition. Changes in fungal 

community composition were primarily attributable to decreases in the abundance of plant 

symbiotic fungi after disturbance events. Post-disturbance changes in microbial abundance and 

community composition persisted for at least 10 years of secondary succession. I further 

demonstrated that microbial responses to abiotic disturbance events differ as a function of 

disturbance severity. Higher severity disturbances elicited greater reductions in soil microbial 

biomass and larger changes in the community composition of soil fungi. On the other hand, I 

observed that biotic disturbance events have non-significant effects on soil microbial biomass, 

but additional studies are needed. Finally, I discovered that the rate of decomposition is slower in 

boreal forests stands that have recently experienced a disturbance event. Decomposition rates 

were suppressed in recently burned stands because of post-fire changes in abiotic factors and the 

composition of soil organic matter. Although boreal forest fires alter soil fungal community 
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composition, I did not find evidence that these community changes significantly influence the 

rate of decomposition in recently burned stands.  

Taken together, these findings indicate that increases in the frequency and severity of 

disturbance events that result from climate warming will actually decrease decomposition rates 

and slow the transfer of C from ecosystems to the atmosphere. Most disturbance events result in 

immediate reductions in ecosystem C uptake via photosynthesis (Amiro et al. 2010, Goetz et al. 

2012). Therefore, the net effect of climate-linked increases in the frequency and severity of 

disturbance events on terrestrial C storage will likely be a balance between reduced C uptake and 

decreased losses of C to the atmosphere via the mechanisms described in my dissertation. My 

dissertation work represents one of the first empirical tests of the prediction from classic 

ecosystem theory of secondary succession that decomposition rates are highest during early 

secondary succession. Furthermore, my dissertation significantly advances our understanding of 

the impact of disturbance events on decomposition processes and ecosystem C storage because I 

was able to tease apart the different mechanisms that control post-disturbance changes in 

decomposition. Overall, my results are not consistent with predicted post-disturbance increases 

in decomposition from classic ecosystem theory of secondary succession, and my findings argue 

that this theory needs to be revised to account for the observed declines in soil moisture, C 

substrate quality, and soil microbial abundance after disturbance events.  

The results of my dissertation research should be interpreted with several limitations in 

mind. First, the fire chronosequence that I used in Chapters 1−3 was not replicated in space. 

Although I took great care to minimize differences among the sites other than the time since fire, 

it is possible that additional factors differed between the sites and partially contributed to the 

patterns that I observed. Moreover, the chronosequence sites were not underlain by permafrost, 
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and thus I was not able to evaluate relationships among wildfires, permafrost thaw, and post-fire 

decomposition rates. In addition, in Chapters 1−3 I did not measure the abundance or community 

composition of soil bacteria, but it is very likely that soil bacteria are also sensitive to boreal 

forest fires. I was also unable to experimentally examine the effects of harvesting, storms, insect 

infestations, and pathogen outbreaks on decomposition rates, even though these disturbances are 

likely to influence decomposition processes. Finally, the conclusions from meta-analyses are 

necessarily limited to the studies included in the analysis, and my findings may have been biased 

by the fact that some geographic locations, biomes, and disturbance types were underrepresented 

in the literature.  

Despite these limitations, the findings from my dissertation research have unearthed a 

number of new research questions related to soil microbial communities and decomposition in 

recently disturbed ecosystems. For instance, I observed that ectomycorrhizal fungi decrease in 

abundance following high severity boreal forest fires. However, the consequences of decreases in 

ectomycorrhizal fungi for post-fire plant community composition and soil C storage are still a 

mystery. It is frequently observed that high severity boreal forest fires favor the recruitment and 

growth of deciduous rather than coniferous tree species (Johnstone et al. 2010b, Beck et al. 

2011). It remains to be tested whether post-fire declines in ectomycorrhizal fungi contribute to 

this observed trend. Recent studies have also indicated that a significant fraction of the C in the 

soils of boreal forests is derived from ectomycorrhizal and other root-associated fungi 

(Clemmensen et al. 2013). Therefore, the consequences of post-fire declines in ectomycorrhizal 

fungi for the rate of C accumulation in boreal soils should be investigated in future work. Finally, 

in my dissertation work I was unable to test the effect of biotic disturbances on the composition 

of the soil microbial community, and this represents another important research area for further 
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consideration. Do ectomycorrhizal fungi show similar declines in abundance after biotic 

disturbances? A recent study in forests of British Columbia found the ectomycorrhizal fungi 

decline after mountain pine beetle attack (Treu et al. In Press), but whether this effect 

extrapolates to other disturbance events has not been investigated.  

In addition, post-disturbance changes in decomposition rates should be evaluated in a 

greater variety of biomes. The findings from my dissertation indicate that moisture availability 

constrains decomposer activity and litter decomposition rates in recently burned boreal forests. 

However, boreal forests receive low precipitation levels relative to other ecosystems (e.g., 

temperate and tropical rainforests), and it is possible that decomposition rates increase following 

disturbance events in more mesic biomes. My dissertation research also demonstrated that post-

fire changes in soil microbial community composition do not significantly affect decomposition 

rates in boreal forests. Future studies should evaluate if there are certain circumstances in which 

post-disturbance changes in soil microbial communities have a greater influence on 

decomposition rates.  

More broadly, it remains to be tested whether post-disturbance decreases in 

decomposition rates coupled with a greater frequency of disturbance events will significantly 

alter C storage in terrestrial ecosystems and atmospheric CO2 concentrations. It will also be 

important to consider how additional elements of global change (e.g., land use change, species 

invasions) influence soil microbial communities and decomposition, and how the magnitude of 

these responses compare to the direct effect of increasing temperatures. Answering these 

questions will greatly improve our ability to predict C storage in terrestrial ecosystems under 

global change.  
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