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There is a growing need for quantitative approaches to extrapolate relationships between chemical

exposures and early biological perturbations from animals to humans given increasing use of biological

assays to evaluate toxicity pathways. We have developed such an approach using polychlorinated

biphenyls (PCBs) and thyroid hormone (TH) disruption as a case study. We reviewed and identified

experimental animal literature from which we developed a low-dose, linear model of PCB body burdens

and decrements in free thyroxine (FT4) and total thyroxine (TT4), accounting for 33 PCB congeners;

extrapolated the dose–response from animals to humans; and compared the animal dose–response to

the dose–response of PCB body burdens and TH changes from eleven human epidemiological studies.

We estimated a range of potencies for PCB congeners (over 4 orders of magnitude), with the strongest

for PCB 126. Our approach to developing toxic equivalency models produced relative potencies similar

to the toxicity equivalency factors (TEFs) from the World Health Organization (WHO). We generally

found that the dose–response extrapolated from the animal studies tends to under-predict the dose–

response estimated from human epidemiological studies. A quantitative approach to evaluating the

relationship between chemical exposures and TH perturbations, based on animal data can be used to

assess human health consequences of thyroid toxicity and inform decision-making.

& 2012 Elsevier Inc. All rights reserved.
1. Introduction

Assessing the potential human health hazards from exposure
to chemicals in the environment has traditionally been based
on the results of toxicological studies in laboratory animals
(e.g., two-year carcinogenesis and two-generation reproductive
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Increasingly, research is illuminating the links between envir-
onmental exposures, upstream biological perturbations, and
downstream overt events. The revolution in toxicology testing
of moving away from a primary focus on overt disease and
towards an understanding of toxicological pathways has been
recognized and endorsed by both the National Academy of
Sciences (NAS), the US Environmental Protection Agency, and
the National Institute of Environmental Health Sciences (NIEHS)
(Collins et al., 2008; National Research Council, 2007a, 2007b).
Mechanistic animal studies provide a great deal of reliable
information on biological pathways that would not be ethical or
practical to obtain in humans. One step necessary for making this
data relevant to decision makers is to develop approaches for
extrapolating dose–response relationships in animals to humans.

Research on changes in thyroid hormone (TH) serum concen-
trations provides relevant data to test the predictive power of
mechanistic animal studies on human health effects in the area of
chemical exposures. Changes in TH levels have been linked to
various downstream outcomes including cognitive deficits and
increased cardiovascular risks in humans (Woodruff et al., 2008).
Animal studies find that numerous chemicals, including poly-
chlorinated biphenyls (PCBs), perchlorate, and triclosan, can
perturb TH levels (Crofton, 2008). A quantitative model for
extrapolating the relationship between chemical exposure and
TH changes from controlled animal studies to humans
would advance the development of new analytic approaches for
interpreting studies of chemical exposure and early biological
perturbations.

We have developed a quantitative approach that links chemi-
cal exposures and effects on early endpoints in the causal chain in
animals. To test whether this approach has predictive value, we
compared it to findings from human epidemiological studies. We
present a case study on the effects of PCB exposures on circulating
TH levels, an early biological perturbation. TH perturbations have
already been identified as an endpoint with sufficient data to
characterize the relationship between exposure, TH changes, and
downstream overt effects, making efforts to identify quantitative
methods for integration into risk assessment warranted
(Woodruff et al., 2008). We have also previously identified PCBs
as having sufficient data to describe the relationship between
exposure, early biological perturbations, and subsequent overt
effects in both animals and humans (Wise et al., submitted for
publication).
2. Background

2.1. PCBs

PCBs are a family of industrial compounds that are widely used
in products ranging from electrical insulators and coatings to
adhesives and flame retardants. They consist of two linked phenyl
rings and have varying degrees of chlorination, resulting in 209
different ‘‘congeners’’ (Erickson, 2001; Tilson and Kodavanti,
1997). Before being banned in the 1970s, more than a billion
kilograms of PCBs were produced (Erickson, 1986), and they are
now persistent and ubiquitous environmental contaminants that
are routinely found in samples of human and animal tissues
(Centers for Disease Control and Prevention, 2008; Tilson et al.,
1990; Tilson and Kodavanti, 1997).

Both individual PCB congeners and mixtures thereof can reduce
circulating levels of TH in animals to varying degrees (Barter and
Klaassen, 1992; Bastomsky et al., 1976; Ness et al., 1993; Schantz
et al., 1997; Seo et al., 1995; Zoeller, 2001). In addition, PCBs can
reduce free thyroxine (FT4) without affecting levels of thyroid
stimulating hormone (TSH; also called thyrotropin) (Goldey et al.,
1995; Klaassen and Hood, 2001), an effect likely due to PCB
congeners with low dioxin-like activity since the dioxin-like PCB
126 causes a decrease in serum T4 and an increase in serum TSH
(Fisher et al., 2006). PCBs have been reported to lower FT4 by
increasing the excretion and/or metabolism of THs (Brouwer et al.,
1998; Klaassen and Hood, 2001), although this may not be the only
or most important mechanism (Kato et al., 2007).

The pattern of individual PCB congener exposures may influ-
ence subsequent effects on TH levels. Some investigators categor-
ize PCB congeners according to their dioxin-like activity (Safe,
2001), as some PCBs exhibit the ability to bind to and activate the
aryl hydrocarbon receptor (AhR) (Safe, 2001; Tilson and
Kodavanti, 1997), while others do not. In general, congener-
specific studies demonstrate that both coplanar and non-coplanar
PCB congeners can reduce circulating levels of TH (Zoeller, 2001).

2.2. Thyroid Hormone function

Thyroid hormones (thyroxine, or T4, and triiodothyronine, or T3)
are essential for normal brain development and for normal
physiological controls in adulthood in both humans and rodents.
TH insufficiency during development can lead to mild-to-severe
cognitive impairment, neurobehavioral disorders, hypomyelina-
tion, and attendant physical impairments and may predispose
individuals to other conditions and disease (van der Sluijs Veer
et al., 2008; Zoeller and Crofton, 2005). Untreated congenital
(neonatal) hypothyroidism, a condition of persistent TH deficits,
can have severe consequences on neurological development. These
deficits are not fully reversible with treatment, though treatment
with T4, even in small doses (e.g., 2 mg/kg/day), can significantly
improve later cognitive performance, demonstrating the sensitivity
of the developing brain to TH insufficiency (Oerbeck et al., 2003;
Selva et al., 2005). TH levels have also been associated with other
health effects: diastolic blood pressure has been found to increase
with increased TSH, LDL cholesterol levels have been found to
increase with decreasing FT4, and risk of cardiovascular disease has
been found to increase with increased TSH (Miller et al., 2009).

The thyroid system is a classic neuroendocrine axis; the
hypothalamus releases thyroid releasing hormone (TRH), which
acts upon the pituitary gland. In response to TRH, the pituitary
releases TSH into the circulation. TSH controls the production and
secretion of T4 and, to a lesser extent, T3. TSH is regulated by the
negative feedback action of T4 on the pituitary and hypothalamus.
Although T4 is the predominant form of TH in the serum, T3 is the
most active form of TH and is formed primarily by deiodination of
T4 in the target tissue.

Environmental chemicals can influence circulating TH levels
through a variety of mechanisms, including interfering with TH
synthesis and increasing TH metabolism and elimination (Crofton,
2008). Furthermore, exposure to multiple TH chemical disrupters can
enhance the effects on TH levels (Crofton, 2008; Crofton et al., 2005).
3. Methods

Fig. 1 shows a diagram of our overall approach, which conceptually is to model

the relationship between the exposure and early biological perturbations in

animals and extrapolates the dose–response to humans. For this case study, we

modeled the relationship between PCB exposures and TH levels in animals

(Relationship 1) and the relationship between PCB exposures and TH levels in

humans (Relationship 2). We then extrapolated the dose–response from the

animal model to estimate the dose–response in humans and compared it to the

dose–response estimated directly from the human epidemiological data (Relation-

ship 3). We also compared the levels of PCBs and THs in animals and humans, as

indicated by the dotted lines in Fig. 1, to assess the reliability of our extrapolation

from animal to humans.

We searched the published, peer-reviewed literature and government reports

for animal and human studies to use in modeling the relationship between PCBs
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Fig. 1. Schematic of the relationships between chemical intake, body burdens, and

TH levels in animals and humans. The numbers represent relationships that

we quantitatively modeled; dotted lines represent relationships that we compared

for discussion purposes. Gray arrows indicate relationships that we did not

investigate here.
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and TH changes. For the animal studies, we only included papers in this analysis

that had a range of doses (for dose–response modeling), sufficiently documented

laboratory practices, and measurements of total T4 (TT4) or FT4 levels. For the

human studies, we only included studies that reported TT4 or FT4 levels, sufficient

statistical information for estimating quantitative dose–response, and a PCB

concentration (either an individual congener or a sum of congeners) in maternal

blood, umbilical cord blood, or the blood of non-pregnant women or of men as a

dose variable. We also use a meta-analyis of the relation between PCB exposure

and TH levels (Wise et al. (submitted for publication)).

3.1. Study selection

We focused on perturbations to T4 as our upstream indicator for analysis

because T4 has already been identified as an early biological signal (Woodruff,

2008). We selected studies that included FT4 measurements because the American

Thyroid Association has recommended determination of serum TSH and FT4

concentrations (but not TT4 concentration, measurements of which may be

affected by changing levels of thyroxine-binding globulin) as the standard

measure of thyroid function (DeVito et al., 1999). We also used studies including

TT4 measurements because of the extensive animal data on TT4, and because many

of the human studies measured TT4 in addition to or instead of FT4.

3.1.1. Relationship 1: animal PCB body burdens and TH levels

Based on our criteria, we selected four chronic-exposure rat-toxicity studies

conducted by the National Toxicology Program (NTP) (National Toxicology

Program, 2006a, b, c, d). The NTP studies evaluated the effects of a single PCB

(PCB 126 or PCB 153) or a combination of two different PCB congeners (PCBs 118

and 126 or PCBs 126 and 153). Researchers administered multiple dose levels to

female Sprague-Dawley rats, 10 rats per dose level, by gavage for two years,

beginning when the rats were 8–9 weeks old. Blood concentrations of PCBs and of

THs (TT4, FT4, T3, and TSH) were measured at 14, 31, and 53 weeks (92, 211, and

365 day) using radioimmunoassays. For three of the studies, only summary data

(group means) on the dose were available. We therefore used the group mean

doses as the independent variable and the group mean TH concentration as the

dependent one in our models.

There is no general PBPK model for PCBs for converting intake doses to

internal doses, and no intake data for humans. The literature on human exposure

to PCBs and thyroid hormone levels uses PCBs in the blood as a measure of

exposure. Therefore, we developed empirical relationships between PCB serum

concentrations and TH levels in animals to extrapolate to humans (Relationships

2 and 3).

The NTP studies evaluated three PCB congeners, but humans are exposed to

many other PCB congeners of varying potencies (Centers for Disease Control and

Prevention, 2008; Crofton et al., 2005). We searched the literature for animal

studies to estimate relative potency of these other PCBs, and identified the work

by Crofton et al. (2005) as sufficient for modeling. This was the only reference we

found with sufficient dose–response on multiple PCBs. In this study, female Long-

Evans rats were administered via gavage in a range of 7–10 doses of 12 PCBs,

2 dioxins and 4 furans individually, as well as in a mixture of all these chemicals,

for 4 days. Serum TT4 was measured as a response variable (Crofton et al., 2005).

3.1.2. Relationship 2: Human PCB body burdens and TH levels

Based on our criteria, we identified eleven human studies with sufficient data

to model the relationship between blood levels of PCBs and THs: (Abdelouahab
et al., 2008; Alvarez-Pedrerol et al., 2009; Bloom et al., 2003; Chevrier et al., 2008;

Dallaire et al., 2009a, 2009b; Lopez-Espinosa et al., 2009; Maervoet et al., 2007;

Martin and Klaassen, 2010; Meeker et al., 2007; Sala et al., 2001; Turyk et al., 2007).

3.2. Comparing the levels of PCBs and THs in animals and humans

Different studies measured PCBs in biological tissue in different ways. The NTP

studies reported the concentration of PCBs in whole blood. The epidemiological

studies reported concentrations of PCBs in plasma and serum. Because different

PCBs are distributed differently between plasma and red blood cells, the concen-

tration of a PCB in whole blood will, in general, differ from its concentration in

plasma. To put the measurements on the same scale, we assumed that the

concentration of PCBs in plasma is equal to the concentration of PCBs in serum

(plasma minus clotting factors) and that 1 ml of blood weighs 1 g. We then used a

formula from Parham et al., (1997) relating the concentration of PCBs in

human plasma to concentration in human whole blood. The formula for the

blood:plasma partition coefficient is Rbp¼(1.24þ0.07�N)/(1.65–0.31�N), where

N is the number of unsubstituted meta–para chlorine pairs in the PCB congener.

Most of the PCB congeners in the studies are highly chlorinated and have N¼0,

which indicates that PCB blood concentration are generally 75% of the PCB plasma

concentration.

Three of the studies gave concentrations of PCBs in units of ng/g lipids in blood

(although the PCBs were measured in serum or plasma) (Alvarez-Pedrerol et al.,

2009; Chevrier et al., 2008; Dallaire et al., 2009a, 2009b). The observed median

concentration of lipids in the blood from five studies (Longnecker et al., 2003) was

7.9 g/L. We therefore assumed that the PCB concentration in ng/L in plasma equals

7.9 times the PCB concentration in ng/g of blood lipids. Turyk reported an estimate

of lipid concentration in blood of 6.52 g/L, which is close to the value reported in

Longnecker 2003 (Turyk et al., 2007). One study, Maervoet et al., 2007 used

measurements from umbilical cord blood (Maervoet et al., 2007). We used a cord

blood: maternal blood ratio of 0.259 to convert the Maervoet cord blood levels to

maternal blood PCB concentration (Covaci et al., 2002). The other studies reported

PCB concentrations as PCB per volume in serum or plasma.

Rats and humans have different levels of thyroid hormones. For extrapolating

from rats to humans, however, absolute TH concentrations are not relevant

in this situation, since the model we used for the rat data assumed that PCBs

cause a dose-dependent fractional reduction in TH concentration. In other words,

we are evaluating the change in TH and not the absolute values. Therefore,

comparisons between different human models and between animal and human

models were expressed in terms of fractional changes in TH levels.

3.3. Quantitative analysis

3.3.1. Relationship 1: animal PCB body burdens and TH levels

3.3.1.1. Estimating relationship 1 for PCB congeners in the NTP studies. The NTP

studies include measurements of blood concentrations of PCBs (congeners 118,

126, and 153) and two measures of TH: TT4 and FT4. We modeled the relationship

between PCBs and TH using a Michaelis–Menten model of the form:

T ¼ T0 1�
vmaxds

kþds

� �

where T is a TH concentration (TT4 (mg/dL) or FT4 (ng/dL)), T0 is the TH concen-

tration when there is no exposure to PCBs, vmax is the maximum reduction in

serum TH that the PCBs can cause, k (pg/mL) is the PCB concentration required to

produce half of the maximum reduction, and ds is a weighted sum of the conce-

ntrations of the three PCB congeners used in the NTP studies. We calculated ds as

ds ¼
X3

i ¼ 1

cidi ,

where ci are the individual weights for each of the PCB congeners (di). We fixed the

weight for the most potent PCB, PCB 126, at 1 (c2¼1) and optimized the other

weights as part of the fit to the data. We also assessed the fit of a Hill function

model. The Hill function model is similar to the Michaelis–Menten model, with ds

and k both raised to a power, n, determined as part of the optimization. At low

doses, the dose–response relationship in the Michaelis–Menten model is approxi-

mately linear, with the functional form:

T ¼ T0 1�
vmax

k
ds

� �
:

Since ds is a linear combination of the concentrations of the three PCBs in the

NTP study, the potency of each PCB can be represented by the linear

equivalent bi¼vmaxci/k, where ci is the congener weighting from the Michaelis–

Menten model.

The model was fitted to the data assuming a lognormal error structure. That is,

the fit minimized the sum of squared errors, where the errors are the differences

between the natural logarithm of the model function and the natural logarithm of



Table 1
Description of the NTP long-term rat-toxicity assays.
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the data. The fitted model parameters were T0 (a different value for each age, as

TT4 and FT4 concentrations in the control animals decreased with age), vmax, k, c1

for PCB118 and c3 for PCB153. To calculate confidence intervals for b, we used a

reparameterized version of the Michaelis–Menten model. Using the definition of bi

gives ci¼bi k/vmax. Substituting this value into the definition of ds gives

ds ¼
k

vmax

X3

i ¼ 1

bidi

and substituting this expression into the Michaelis–Menten model gives

T ¼ T0 1�
vmax

P3
i ¼ 1 bidi

vmaxþ
P3

i ¼ 1 bidi

 !
:

The standard deviations for the parameter estimates were approximated by

using the inverse of the Fisher information matrix as an approximation to the

covariance matrix (Armitage and Colton, 1998).

3.3.1.2. Estimating relationship 1 for PCB congeners in Crofton et al., 2005. We fitted

the data from Crofton et al., 2005 using the Michaelis–Menten model (weighted

for the

number of animals at each dose level) to provide potency estimates for PCBs 28,

52, 101, 105, 118, 126, 138, 153, 156, 169, and 180, as well as for other compounds

in Crofton et al., 2005. For these data, though, each congener was modeled with its

own vmax and k. We only used the data on individual congeners from Crofton et al.,

2005. The low-dose behavior of each PCB was approximated by the function:

T ¼ T0ð1�bdÞ

where the effective potency of each PCB congener is b¼vmax/k and where vmax and

k are estimated separately for each PCB. Standard deviations for the estimates of b
were derived as described above.

3.3.2. Relationship 2: Human PCB body burdens and TH levels

The models from the human studies used different functional forms to

describe the relationship between PCBs and TH levels (Table S1). The studies

also evaluated different populations with different PCB body burdens. Therefore,

we compared the human models to each other by comparing the fractional

reduction in TH concentration for each PCB congener or congener sum for each

study Frac¼(T0–TA)/T0, where T0 is T at a low PCB concentration P0, and TA is the

average TH concentration reported in the study, assumed to occur at the reported

average PCB concentration PA. Because most of the models from the human

studies use the logarithm of PCB exposure as a dose variable, they cannot be

extrapolated down to zero exposure, so the value of the low dose P0 must be some

positive value. The choice of the low dose is somewhat arbitrary. However, the

Longnecker et al. 2003 survey of PCB exposure levels in human neurodevelop-

mental studies found that the 5th percentile of PCB concentrations in a study was

often about a third of the median concentration. Therefore we chose P0¼PA/3 for

our calculations.

The models in the human studies can be expressed as f(T)¼aþbg(P)

where T is a TH concentration, P is a dose measure (either PCB per unit volume

of serum or plasma or PCB per g blood lipid), and the functions f and g are either

the constant function (f(x)¼x, g(x)¼x) or a logarithm (f(x)¼ ln(x), g(x)¼ ln(x) or

log(x)). The value of the slope term b was reported in the studies. We derived

values for the intercept term a by assuming that f(T) at the average PCB

concentration (mean or median, preferring the mean if the mean was given) from

the study was the average TH concentration in that study, i.e. f(TA)¼aþbg(PA).

Given the model parameters a and b, the functional form, and the average PCB and

thyroid hormone concentrations, it is possible to derive formulas for the fractional

reduction (Table S1 in the supplemental material). Where confidence limits on the

slopes (b) were available, we also calculated confidence limits on the fractional

reduction, based on using the confidence limits for b in the formula for fractional

reduction.

3.3.3. Relationship 3: comparing the dose–response relationships in animals and

humans

We could not compare the dose–response functions directly between the

animal data and the human data because of the different functional forms used in

the human models. Instead, we did the following:
NTP technical
report #

Study # PCB Number of
doses

Range of doses

1)
520 C96007D 126 8 0–1000 ng/kg
we calculated the fractional reduction in TH at the mean or median PCB

concentration in each of the human studies using the models from each

human study as described above;
529 C96021 153 6 0–3000 mg/kg
2)
530 C96020 153 & 126 7 153: 0–3000 mg/kg, 126:

0–1000 ng/kg

531 C96022 118 & 126 6 118: 0–500 ug/kg, 126:

0–3110 ng/kg
we calculated the fractional reduction in TH using the dose–response model

derived from the animal studies. We used the low-dose linear approximation to

the Michaelis–Menten function, T ¼ T0ð1�bdÞ to extrapolate the animal results

to humans because the human PCB body burdens are generally low compared to

those of the animals making the low-dose linear approximation appropriate. We

use the observed PCB exposure concentrations in humans for d;
3)
 We then compared the calculated fractional reduction in TH based on the

human studies to the calculated fractional reduction in TH based on the

animal dose–response.

We used the following assumptions and conversion to calculate the dose–

response for PCBs not evaluated in the NTP animal studies, but for which we wanted

to extrapolate the dose–response to humans. For congeners other than the three

studied by NTP, the general approach is to derive scaling factors from Crofton et al.,

2005, and to multiply each b based on the NTP study by the most appropriate

scaling factor for each congener. In the equations below, bxh is the slope for congener

x in humans extrapolated from the rat data, bxr is the slope for congener x in rats in

the NTP studies, and bxrC is the slope for congener x in rats in Crofton et al., 2005.
1.
 If the PCB congener x is one of those used in the NTP studies, then bxh ¼ bxr .
2.
 If the PCB congener x is one of those in Crofton et al., 2005 but not in the NTP

studies, then

bxh ¼
bxrC

byrC

byr ,

where congener y is the congener from the NTP studies with byrC nearest to

bxrC.
3.
 If the PCB congener is not in Crofton et al., 2005, then bxh ¼ ðbzrC=byrC Þbyr ,

where congener z is the congener in Crofton et al., 2005, most structurally

similar to congener x, and congener y is the congener from the NTP study with

byrC nearest to bzrC. The previous two cases can be expressed using this same

equation, with z¼x in case 2 and both z¼x and y¼x in case 1. We used the

pattern of chlorine substitution of the PCBs to assess structural similarity.

For example, PCB 52 is included in the Crofton et al., 2005 data but not in the

NTP data. The congener most similar structurally to PCB 52 in the NTP data is PCB

153, so we calculated the b value for PCB 52 in the extrapolated model as follows:

b52h ¼
b52rC

b153rC

b153r

We converted the b values from the rat studies in terms of blood concentration

to values in terms of plasma concentration using the blood: plasma partition

coefficient from Parham et al., 1997. This is equivalent to multiplying the

concentration in the human study by the partition coefficient: T ¼ T0ð1�bxhRbpdÞ.

This equation is used to estimate the percent reductions in THs in humans.

Several of the models in the human studies use sums of PCB congeners, rather

than single congeners, as the dose. The extrapolated animal b for these models can

be calculated as a weighted sum of the bs for the individual congeners based on

the animal data and given as

b¼
X

bxf x

where fx is the mean or median concentration of congener x divided by the sum of

all mean or median concentrations (preferring mean to median data, if both were

available) from the human studies. We assume the relative concentration of each

congener is constant across exposure strengths.
4. Results

4.1. Study selection

The NTP studies are described in Table 1. Human studies used
are given in Table 2.

4.2. Comparing the levels of PCBs and THs in animals and humans

Table 3 compares the PCB body burdens measured in the NTP rat
studies and the human studies. The concentrations for the lowest
dose in the NTP studies were higher than those in the human studies.



Table 2
Studies used in the quantitative analysis of Relationship 2, PCB body burdens and

whether FT4 or TT4 levels are measured in humans.

Study Human tissue sample TT4 FT4

Abdelouahab et al. (2008) Serum, women and men X

Alvarez-Pedrerol et al. (2009) Serum, pregnant women X

Bloom et al. (2003) Serum, men X

Chevrier et al. (2008) Serum, pregnant women X X

Dallaire et al. (2009a) Plasma, women and men X

Dallaire et al. (2009b) Plasma, pregnant women X

Lopez-Espinosa et al. (2009) Serum, pregnant women X X

Maervoet et al. (2007) Cord blood plasma X

Meeker et al. (2007) Serum, men X

Sala et al. (2001) Serum, women and men X X

Turyk et al. (2007) Serum, women and men X

Table 3
PCB body burdens from the NTP rat studies and human epidemiological studies.

Study PCB 118 PCB 126

Animal Studies
NTP studies, measurements in ng/ml

in blooda

35.77 0.06391

NTP studies, per plasma equivalent,

ng/mlb,

47.57 0.085

Human studiesc

Abdelouahab et al. (2008) n/a n/a

Alvarez-Pedrerol et al. (2009)d (two

cohorts)

Below LOD (0.071 ng/ml) n/a

Bloom et al. (2003) Maximum 0.642, mean 0.151 n/a

Chevrier et al. (2008)d Maximum 0.16, geometric mean

0.028

n/a

Dallaire et al. (2009a)d Maximum 3.9 n/a

Geometric mean 0.18

Dallaire et al. (2009b) n/a n/a

Lopez-Espinosa et al. (2009) n/a n/a

Maervoet et al. (2007) e 95th percentile 0.27 n/a

Mean 0.12

Meeker et al. (2007) 95th percentile 0.18 n/a

Geometric mean 0.06

Sala et al. (2001) n/a n/a

Turyk et al. (2007) Median in two cohorts, 0.048 and

0.059

Median in t

0.00016

a Listed values are for the highest PCB body burden measured for the lowest admi
b Concentrations in blood divided by blood:plasma partition coefficient of 0.75
c Units are ng/ml or ng/g in plasma or serum. When data were reported for men a
d Converted from a per-lipid basis using a value of 7.9 g lipid/liter of blood.
e Converted from concentration in cord serum to concentration in maternal serum
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4.2.1. Results for relationship 1: animal PCB body burdens and TH

levels
4.2.1.1. Results for the PCB/TH relationship based on the NTP

data. The results of fitting the Michaelis–Menten model to the
NTP studies for FT4 are shown in Fig. 2; results for TT4 are in
Supplemental figure S1. Parameter values for the fits are given in
Table 4. The graph shows a reasonable agreement to the data.
Findings for TT4 were similar in terms of fit (Figure S1). Our
alternative analysis of fitting the Hill function produced values of
0.996 and 1.03 for parameter n for the fit to the TT4 and FT4 data
respectively. Given that the coefficient n from the Hill model was
close to 1, it supported using the Michaelis–Menten model, which
is equivalent to the Hill model with n¼1.
PCB 153 Sums of PCB

congeners

57

76

Maximum 2.87 (Mono-ortho)

Median 0.48 Maximum 1.33

Median 0.130

(Non-coplanar)

Maximum 2.87

Median 0.79

Median in two cohorts, 0.27 and

0.42

Maximum 1.891

Mean 0.637

Maximum 0.76, geometric mean

0.045

(Mono-ortho)

Maximum 0.97

Geometric mean

0.244

(All)

Maximum 2.56

Geometric mean

0.52

Maximum 45.9 (Mono-ortho)

Geometric mean 1.4 Maximum 6.8

Geometric mean

0.36

(All)

Maximum 113

Geometric mean

5.0

Maximum 6.12

Geometric mean 0.89

n/a (All)

Maximum 14

Mean 1.3

95th percentile 0.73

Mean 0.27

95th percentile 0.19 95th percentile

2.65

Geometric mean 0.21 Geometric mean

1.08

n/a 6.7 in workers

wo cohorts, 0.00012 and Median in two cohorts, 0.20 and

0.23

nistered dose.

nd women separately, only data for women are listed.

by dividing by 0.259 (see text).



Fig. 2. PCB body burden (weighted sum of concentrations in pg/mL) and measured FT4 levels in the blood of rats at different ages of the rat. The line represents the fitted

value from the Michaelis–Menten model.

Table 4
Model parameters from the fit of the Michaelis–Menten model to the NTP data. Model parameters c and k

are from the first model; parameters b are from the reparameterized model; V and the Ts are in both

models.

Parameter Values for FT4 (95% confidence limits) Values for TT4 (95% confidence limits)

V (unitless) 1 (0.88, 1.12) 1.0 (0.95,1.05)

K (pg/ml) 899 pg/mL (435,1363) 663 pg/mL (301, 1026)

c1 (for PCB 118) 0.013 (4.5�10�3, 2.1�10�2) 0.024 (0.0087, 0.039)

c2 (for PCB 126) 1 (fixed) 1 (fixed)

c3 (for PCB 153) 0.00013 (4.2�10�5, 2.2�10�4) 0.00021 (7.2�10�5, 3.5�10�4)

T0 for 14 weeks 2.1 ng/dL (1.9,2.3) 5.1 mg/dL (4.6,5.7)

T0 for 31 weeks 2.2 ng/dL (2.0,2.3) 4.0 mg/dL (3.6,4.5)

T0 for 53 weeks 1.8 ng/dL (1.7,2.0) 3.5 mg/dL (3.1,3.9)

b for 118 (pg/mL)�1 1.4�10�5 (7.0�10�6, 2.1�10�5) 3.6�10�5 (2.0�10�5, 5.1�10�5)

b for 126 (pg/mL)�1 1.1�10�3 (5.8�10�4, 1.6�10�3) 1.5�10�3 (7.0�10�4, 2.3�10�3)

b for 153 (pg/mL)�1 1.4�10�7 (7.5�10�8, 2.1�10�7) 3.2�10�7 (1.9�10�7, 4.5�10�7)
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We found that PCB 126 was estimated to be about two orders
of magnitude times more potent in its effect on FT4 than PCB 118
and about four orders of magnitude more potent than PCB 153
(Table 4). Relative potencies were comparable, but slightly lower,
in general, for TT4 than for FT4 (see Table 4). Because the relative
potencies of PCBs 118 and 153 are similar for TT4 and FT4, the
extrapolated values based on those PCBs will also have similar
relative potencies for TT4 and FT4.
4.2.1.2. Results for the PCB/TH relationship based on the Crofton

data. The estimated relative potencies of the PCB congeners and
other compounds in the Crofton et al., 2005 study are shown in
Table 5. The potency of 126 was about 1,000 times greater than
118 and about 10,000 times greater than 153. The difference in
potencies between PCB 126 and PCB 118 was about 100 in the
NTP studies, about an order of magnitude less than the difference
in potencies seen in the Crofton data. Except for PCB 28, the least
potent PCB structures contained two ortho substitutions in their
structure. (The ortho positions are positions 2, 20, 6, and 60 in the
ring structure.). The coplanar PCBs, with no position 2 or 20

substitutions (sometimes referred to as ‘‘dioxin-like PCBs’’),
were generally most potent. However, the coplanar PCB 77 was
less potent than some of the mono-ortho PCBs. We found that the
relative potency of the compounds in this study was somewhat
similar to TEFs for dioxin-like activity used by the WHO (Table 5
and Supplemental Figure S2).
4.2.2. Results for relationship 2: Human PCB body burdens and TH

measurements

The formulas for fractional reduction in thyroid hormone
level, depending on the functional form of the model, are given
in Table S1. The data used for the calculation of the fractional



Table 5

Low-dose linear potency b from analysis of Crofton et al., 2005 data, relative potency (b for the given congener divided by b for the most potent congener, TCDD), and TEF

(Van den Berg et al., 2006).

Congenera Structure Low-dose Linear Potency Low-dose Linear Potency (b) TEFb

b (95% confidence limit) (lg/kg/day)�1 relative to TCDD

PCB 28 2,4,40-trichlorobiphenyl 1.10�10�5 (9.17�10�6, 1.29�10�5) 2.07�10�6 0
PCB 52 2,5,20 ,50-tetrachlorobiphenyl 1.70�10�5 (1.57�10�5, 1.82�10�5) 3.20�10�6 0
PCB 77 3,4,30 ,40-tetrachlorobiphenyl 0.000695 (0.000636, 0.000753) 0.000131 0.0001
PCB 101 2,4,5,20 ,50-pentachlorobiphenyl 9.70�10�5 (8.25�10�5, 0.000111) 1.83�10�5 0
PCB 105 2,3,4,30 ,40-pentachlorobiphenyl 0.000919 (0.000786, 0.00105) 0.000173 3�10�5

nPCB 118 2,4,5,30 ,40-pentachlorobiphenyl 0.000636 (0.000525, 0.000748) 0.000120 3�10�5

nPCB 126 3,4,5,30 ,40-pentachlorobiphenyl 0.488 (0.433, 0.543) 0.0919 0.1
PCB 138 2,3,4,20 ,40 ,50-hexachlorobiphenyl 6.83�10�5 (6.03�10�5, 7.63�10�5) 1.29�10�5 0
nPCB 153 2,4,5,20 ,40 ,50-hexachlorobiphenyl 4.14�10�5 (4.01�10�5, 4.26�10�5) 7.78�10�6 0
PCB 156 2,3,4,5,30 ,40-hexachlorobiphenyl 0.000695 (0.000634, 0.000756) 0.000131 3�10�5

PCB 169 3,4,5,30 ,40 ,50-hexachlorobiphenyl 0.00210 (0.00191, 0.00230) 0.000396 0.03
PCB 180 2,3,4,5,20 ,40 ,50-heptachlorobiphenyl 1.97�10�5 (1.57�10�5, 2.37�10�5) 3.70�10�6 0
TCDD 2,3,7,8-tetrachlorodibenzo-p-dioxin 5.31 (4.71, 5.91) 1 1

PCDD 1,2,3,7,8-pentachlorodibenzo-p-dioxin 0.640 (0.227, 1.05) 0.120 0.03

TCDF 2,3,7,8-tetrachlorodibenzofuran 0.194 (0.150, 0.237) 0.0365 0.1

1-PCDF 1,2,3,7,8-pentachlorodibenzofuran 0.0506 (0.0446, 0.0566) 0.00952 0.03

4-PCDF 2,3,4,7,8-pentachlorodibenzofuran 0.0177 (0.0138, 0.0216) 0.00332 0.3

OCDF 1,2,3,4,6,7,8,9-octochlorodibenzofuran 0.000168 (�3.33�10�5, 0.000370) 3.17�10�5 0.0003

a PCB congeners are in bold, and those in the NTP studies are marked with an asterisk (n).
b A zero in the TEF column indicates a congener with no assigned TEF.
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reduction in thyroid hormones predicted by the models in the
human studies are given in Table S2. PCB congeners 118, 138,
153, 180 (also in Crofton et al., 2005, with 118 and 153 in the
NTP studies as well) were modeled in at least four human
studies each. Abdelouahab et al., 2008 reported results based
on ‘non-ortho-substituted (dioxin-like)’ congeners; however,
the congeners they listed as being used in the model do not fit
that description, so we did not use those results. For calculation
of results using the meta-analysis results from Wise et al.
(submitted for publication), it was necessary to choose a
nominal value for the average thyroid hormone level TA (see
Table S1). Average FT4 concentrations in the studies range from
0.77 ng/dl for one cohort from Alvarez-Pedrerol et al., 2009 to
1.32 ng/dl for Maervoet et al., 2007. Average TT4 concentrations
range from 74.5 ng/ml for male subjects in Abdelouahab et al.,
2008 to 107 ng/ml in Chevrier et al., 2008. For the calculations
using the meta-analysis results, we chose values of TA¼0.8 ng/
dl for FT4 and TA¼80 ng/ml for TT4.

The estimated percent reduction in FT4 and TT4 levels at the
average PCB concentrations, for the single congeners 118, 138,
153, and 180, and for the sums of mono-ortho congeners or of
all congeners, is given in Fig. 3 (all calculations are in Table
S2). The percent reduction in FT4 for the individual PCB
congeners ranged from �3.1% to 7.6%. We found a 3.6% (95%
CI �3.9 to 10.1%) reduction in FT4 based on the meta-analysis
for the sum of PCBs. For the other models of the sum of PCBs,
fractional reductions in FT4 ranged from �2.2% to 7.9%.
Results were similar for TT4. For individual congeners, frac-
tions range from �1.2% to 4.2%, with 0.037% increase (95% CI
�0.16% to 0.082%) based on the meta-analysis for the sum of
PCBs, and results for sums of all PCBs from the other models
ranging from �1.8% to 7.8%.
4.2.3. Results for relationship 3: extrapolating relationship 1 from

animals to humans

4.2.3.1. Comparing congeners for extrapolation. There are 33
congeners in the human studies used in this paper (summarized
in Supplemental Table S3). Of those, 11 are in Crofton et al., 2005,
of which 3 are also in the NTP studies. The other 22 are not in the
animal studies. Selection of the congener y in the extrapolation
equation (Section 3.3.3), which determines the scaling between
the PCB in the NTP study and the other PCBs in the Crofton study
was based on the potencies of the congeners in the Crofton results
as shown in Table 5. PCB 153 has a potency of about an order of
magnitude lower than PCB 118. Congeners with potency less than
PCB 153 were scaled to 153. Only one congener, 101, has potency
between 118 and 153. It was scaled to 153 because its potency
was closer to that of 153. All of the other congeners other than
126 were scaled to 118. Three congeners (157, 167, and 189) were
included in the sum of mono-ortho congeners in Chevrier et al.,
2008, but their concentrations were not given because of their
low detection frequency. Therefore, they are not included in the
calculations.

Eleven of the congeners from the human studies are found in
Crofton et al., 2005. The other 22 congeners need to be assigned to
congeners from the Crofton studies that are most similar to each
of the 22 for purposes of extrapolation (this is congener z in the
extrapolation equation, Section 3.3.3). We based the extrapolation
on structural similarity, as determined by the pattern of chlorine
substitution considering the number of chlorines and the position
of the chlorines. Twelve of the 22 congeners have at least
7 chlorines, with at least 2 in ortho positions; their extrapolation
is based on PCB 180. Two congeners, PCBs 146 and 163, are
hexachloro congeners with 2 ortho chlorines; their extrapolation
is based on PCB 153. Five congeners (18, 19, 44, 47, and 49), all
with at least two ortho chlorines and 3 or 4 chlorines total, are
extrapolated based on 52. The remaining 3 congeners are two
mono-ortho-substituted tetrachloro congeners (66 and 74) and a
di-ortho pentachloro congener, 99. These are extrapolated based
on 101. It is not clear that this extrapolation is the best one for 66
and 74. The di-ortho tetrachloro congener 52 has a potency nearly
two orders of magnitude lower than the mono-ortho penta
congener 105 in the Crofton data (Table 5); the potency of 101
is intermediate between those of 52 and 105. However, these
congeners make only a small contribution to the summed
potencies (Table S4) for the studies in which they occur,
Chevrier et al., 2008; Turyk et al., 2007.

Calculations of the extrapolated slopes for sums of congeners
in the human studies are shown in Table S4. For the mono-ortho
congeners (PCBs 105, 118, and 156) in Abdelouahab et al., 2008,



Fig. 3. Estimated percent reduction in FT4 (3A) and TT4 (3B) levels at standard PCB concentrations for the human studies. Point estimates and 95% confidence intervals are

plotted. Meta-analysis results are calculated using b values from Wise et al. (Wise et al., submitted for publication). Points without confidence intervals are nonsignificant

results with no exact confidence intervals available.
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there were no data on the relative concentrations of individual
congeners to use in the weighted sum of potencies, so we
assumed equal concentrations of all three, which is equivalent
to using the mean potency of the three congeners (the extra-
polated potency values are similar (see Table S3), so this is a
reasonable assumption). Turyk et al., 2007 gave median congener
concentrations for two sets of subjects, from 1999 to 2000 and
from 2001 to 2002. We used the 2001–2002 values for the
weighting, because those data include measurements of more
congeners. The lowest reported median concentration was
0.13 pg/g. We assumed a median concentration of 0.1 pg/g for
congeners where no median was reported (because more than
half of the observations were below the limit of detection, which
varied from subject to subject); results are not highly sensitive to
this choice.

We did not use the Sala et al., 2001 or Lopez-Espinosa et al.,
2009 results for the sum of PCBs when comparing the human
results to the extrapolated animal results because these studies
did not provide the relative amounts of the congeners in the sum
of PCBs (Lopez-Espinosa et al., 2009; Sala et al., 2001). We also did
not use the results for the sum of all PCBs from Abdelouahab
et al., 2008 since concentrations were available for only some of
the PCBs in that study. Since the meta-analysis of Wise et al. is not
based on any specific combination of congeners, we also do not
use those results in the extrapolation.
Differences in the extrapolated b values for the sums of all
PCBs or sums of mono-ortho congeners are due to the different
congeners included in the sum in different studies. The b values
for the sums of all PCB congeners are similar across studies (Table
S4). The b value calculated for the sum of mono-ortho congeners
in Chevrier et al., 2008 is much smaller than the other sum of
mono-ortho congener values. This is because the sum of mono-
ortho congeners in Chevrier et al., 2008 is dominated by congener
28, which is the least potent of all the congeners in Crofton et al.,
2005 but of relatively high concentration in the Chevrier et al.,
2008 data.

The Michaelis–Menten function approaches linearity as dose
approaches 0. The degree to which a linear approximation to the
function is valid can be examined by calculating the fractional
reduction in FT4 using the original Michaelis–Menten function
and comparing it to the fractional reduction in FT4 calculated
from the extrapolated linear model both at the same maximum
PCB concentrations observed in humans. The maximum concen-
trations of PCBs 118 and 153 measured in the human studies are
in Dallaire et al., 2009a (Table 3), so the Dallaire data on the sum
of PCBs will be used for the comparison of the two functional
forms (extrapolated linear and Michaelis–Menten). The maximum
measured concentration of the sum of all PCBs is 14,261 mg/kg
lipid, which becomes 14.261�7.9¼112.7 ng/ml on a wet-weight
basis. The slope b for the extrapolated linear model for the



Fig. 4. Fractional reduction in TH levels extrapolated from dose–response in rats

compared to dose–response from those human studies that showed TH decreasing

with increasing PCB levels. Each symbol represents the fractional reduction

predicted in one model from the human studies and in the corresponding

extrapolated rat model. Symbols indicate the thyroid hormone modeled (FT4 or

TT4), the type of PCB congener (coplanar, mono-ortho, or di-ortho or more), and

whether the model uses a single congener or a sum of congeners. Distance above

the plotted line of equality shows to what extent the prediction of the human

model is greater than the prediction of the extrapolated rat model.

F. Parham et al. / Environmental Research 116 (2012) 74–8482
fractional reduction of FT4 for the sum of all PCB congeners in this
study is (see Table S4) 0.000711 (ng/ml)�1. The fractional reduc-
tion in FT4 for the extrapolated linear function, 1�b d, gives a
value of 0.920. The fractional reduction in FT4 from calculated
from the Michaelis–Menten function with the same low-dose
slope b (like the reparameterized function in Section 3.3.1.1
above), and with Vmax¼1, is 1�bd/(1þbd), which gives a value
of 0.926, very close to the result of the linear model.

The fractional reduction in TH predicted by the extrapolated
animal model is given in Table S5. Fractional reductions in TT4 for
the extrapolated rat model, applied to the human data sets used for
models of the sum of all PCBs, range from 0.0007 to 0.0025 (0.07–
0.25%). The values for FT4 range from 0.0003 to 0.0024 (0.03–0.24%).
Fig. 4 shows the values of the extrapolated percent reduction of FT4

and TT4 from rats (Relationship 1) for different individual PCBS or
sums of PCBs, compared to the percent reduction predicted by the
models from the human studies (Relationship 2). Because the data are
plotted on a log-log scale, the figure shows only results for which the
human models predict reduction in TH level with increasing PCB
concentration (79 out of 112 models from the human studies). The
predicted dose–responses for individual PCB congeners from the
extrapolated rat model are generally orders of magnitude lower than
the dose–responses derived from the human data that also find a
reduction in TH with increasing PCBs.

Fig. 4 does not include comparisons for the human studies that
find that increasing PCBs exposures are associated with increasing
TH. The rat studies, and the subsequent models, find a reduction
in TH from PCB exposures, and the confidence bounds for these
results do not include zero. Thus, all the extrapolated rat values
for different individual PCBS or sums of PCBs can only predict
reductions in TH when PCB levels increase. We can assess how
often the TH reductions estimated from the extrapolated rat
models for individual and sum of PCBs are within the confidence
intervals of the models based on the human studies (See Table
S5). Of the 112 human models with corresponding extrapolated
rat models, 81 had the extrapolated rat model prediction within
the confidence limits of the human model. 62 of those 81 human
models predicted reductions in TH with increasing PCBs and 19
predicted increases in TH with increasing PCBs. (This includes all
of the models with negative slopes and no confidence limits.
Those models reported as having nonsignificant results, so their
confidence limits for the slope must include 0.) Two of the models
of FT4 from Alvarez-Pedrerol et al., 2009 had significant positive
slopes (TH increasing with PCBs) and therefore had the rat
predictions greater than the upper confidence limit of the human
model. 15 of the human models had significant negative slopes (TH
decreasing with PCBs), with the extrapolated rat values lower than
the lower confidence limit for the human models. These 15 models
include all 6 models of FT4 from Maervoet et al., 2007 (5 models of
single congeners, and 1 of the sum of congeners), one of the models
of TT4 from Turyk et al., 2007 (for the sum of PCBs from one set of
subjects), and 8 models from Chevrier et al., 2008 (6 for FT4 and
single congeners, 1 for TT4 and a single congener, and 1 for FT4 and
the sum of all congeners). For 14 of the 112 models, it was not
possible to tell whether the rat model results were within the
confidence limits of the human model (see Table S5 for details).

Extrapolating the dose–response based on the animal data for
different metrics of the sum of PCBs yields results closer to the
dose–response derived from the human data. There also appear to
be patterns in the dose–response based on the type of congener
(mono-ortho substituted congeners vs. congeners with more than
one ortho substitution) and on the thyroid endpoint (TT4 vs. FT4).
Because of the high correlation generally observed between levels
of different PCB congeners, the modeled effects of less potent PCB
congeners are probably partly due to confounding with those of
stronger congeners.
5. Discussion

We have developed a quantitative approach for using existing
animal and human peer-reviewed data to model the dose–
response relationship between chemical exposures and upstream
biological perturbations. We applied our approach to a case study
of PCBs and TH in animals and humans. For this case study, we
found that extrapolating the relationship between PCB body
burdens and serum TH levels in animals to humans underesti-
mates the dose–response relationship found in the human stu-
dies. Table 4 shows that upper confidence limits for the potency
estimates (b) from the NTP data are no greater than about
1.5 times the point estimate. So even using the upper limits of
potency from the rat data for extrapolating to humans would still
produce calculated TH fractions that are well below those based
on the human data. In fact, even increasing the potency values
extrapolated from the rat by an order of magnitude would still
produce TH fractions less than the fractions calculated from the
human data. However, the difference between the human model
and the extrapolated rat model is largest for the single-congener
models; the difference is much less for the models of sums of
congeners. Our analysis of the NTP studies consistently finds an
inverse relationship between PCBs and FT4, which is further
supported by other animal studies (Zoeller, 2007). However, we
found more variation in the dose–response among the human
studies. A meta-analysis of the human studies shows an inverse
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relationship between PCBs and FT4 but the 95% CI includes 0
(Wise et al., submitted for publication). The variability in the
epidemiologic findings is likely in part due to variability in
settings and design, such as differences in selections of PCB
congeners, biological matrices analyzed, exposure metrics, analy-
tic models, and endpoint measurement and selection.

The use of PCBs in this case study has several strengths. First,
there is a robust database of peer-reviewed research exploring the
health consequences of PCB exposure and the capacity of PCBs to
alter circulating levels of TH. Moreover, although our analysis
uses data from NTP studies, other research supports the NTP
findings and lends confidence to our conclusion that PCBs can
affect TH levels (Martin and Klaassen, 2010). Second, PCBs
represent a complex chemical mixture. One challenge in risk
assessment is accounting for risks from exposure to multiple
chemicals that have a similar adverse effect (National Research
Council, 2008). Our approach accounts for multiple PCB expo-
sures, many of which act on the thyroid system, and we found
that aggregate measures of PCBs in animals generally predicted
the results in humans better than the dose–response for indivi-
dual PCBs. We aggregate the PCB body burdens empirically, which
does not account for their individual mechanisms of action. This is
consistent with recommendations from the NAS to consider
together chemicals that can affect the same common adverse
outcome (National Research Council, 2008). Given this recom-
mendation, a limitation is that we could not account for expo-
sures to other chemicals that can disrupt THs, such as dioxins,
furans, triclosan, and perchlorate, all of which are common
contaminants in the population (Centers for Disease Control and
Prevention, 2008).

We found the ranking of the potencies of PCB congeners in
association with reduced TH is similar to that observed for some
non-thyroid effects (Yang et al., 2010) and is also similar to the
assignment of TEFs to represent the potency of dioxin-like com-
pounds (Van den Berg et al., 2006). Since the relative potency of the
PCBs for thyroid endpoints is similar to the TEFs, the TEFs may be
important to consider when accounting for other PCB related effects.

Our case study allows us to illustrate the application of a
proposed approach for integrating experimental data on environ-
mental chemical exposures and early biological perturbations
into outcomes that can be more meaningful for decision-making.
The advantage of using animal studies is that, due to the
experimental setting, many of the factors that can influence
findings in human studies, such as co-exposures and variation
in susceptibilities and populations studied, are absent. However,
the disadvantage of using animal studies is that these very factors,
including age-related susceptibilities, are not accounted for, and
thus, animal studies may underestimate population-level effects
in humans. This effect may be in part due to the specific animal
strains or species used for modeling. These types of factors may
explain the higher sensitivity of response in humans versus
animals for this outcome.
6. Conclusion

We have developed an approach for quantitatively assessing
the dose–response relationship between chemical exposures and
TH perturbations using PCBs as a case study. Numerous chemicals
have been shown to disrupt TH levels, which have been pre-
viously identified as an adverse endpoint (Woodruff et al., 2008).
A shift to assessing risks based on upstream endpoints is likely to
provide more sensitive indicators of adverse health effects and
improve our ability to protect against harmful exposures. How-
ever, there is a challenge in using the dose–response for chemical
exposures and TH changes in the decision-making context, where
more overt endpoints are more typically used, often more easily
understood, and can be integrated into other decision-making
tools such as cost-benefit analysis. Thus, analytic approaches that
link upstream perturbations to more apical endpoints will be
important for using upstream data to inform decision-makers.
Our focus on the thyroid system is supported by a well-developed
literature characterizing the relationship between changes in
serum TH levels and adverse outcomes. This analysis may also
provide a rational, structured, and quantitative approach to
evaluating the health consequences of exposures to multiple
chemicals that exert thyroid toxicity.
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