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Toxic Heavy Metals and Nitrate 

 

by 
 

 

Gongde Chen 

 

Doctor of Philosophy, Graduate Program in Chemical and Environmental Engineering 

University of California, Riverside, December 2018 

Dr. Haizhou Liu, Chairperson 

 

 

 

 

Contamination of hexavalent chromium Cr(VI), pentavalent vanadium(V) and nitrate 

is threatening the availability of drinking water resources. Their reductive transformation 

into environmentally benign products is a viable and sustainable strategy. The goal of this 

dissertation is to investigate the reaction kinetics and mechanism of reductive 

transformation of Cr(VI), vanadium(V), and nitrate.  

First, highly reductive TiO2 nanocrystals were synthesized for photocatalytic Cr(VI) 

reduction in drinking water matrices. The synthesized catalyst with surface-bonded 

diethylene glycol exhibited a high electron-releasing capacity. Under UV irradiation, 

Cr(VI) was efficiently reduced with a fast precipitation of trivalent chromium(III) 

hydroxide Cr(OH)3(s). The synthesized catalyst was reused for multiple cycles and 

exhibited excellent performance in Cr(VI)-contaminated groundwater.  

Second, a novel denitrification process was developed for nitrate removal in drinking 

water matrices. Reactive radicals generated from nitrate photolysis oxidized formate into 

formate radical (CO2·
-). Kinetic modelling and principal component analyses showed that 
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synergistic nitrate photolysis with CO2·
--induced reduction of nitrogen intermediates 

enabled synchronous removal of dissolved nitrogen and organic carbon. pH and dissolved 

organic matter at levels similar to those in groundwater had a negligible impact on the 

dentification performance. The proposed process exhibited strong application potential in 

treating nitrate-contaminated groundwater.  

Third, the redox chemistry of vanadium(V) species and their transformation products 

were investigated with state-of-the-art rotating ring-disk electrode techniques. VO2
+ and 

NaxHyV10O28
(6-x-y)- predominantly exhibited faster intrinsic reduction kinetics than 

HxV4O12+x
(4+x)-, and HVO4

2- The reduction of vanadium(V) underwent a one-electron 

transfer process except for that of NaxHyV10O28
(6-x-y)- with a two-electron transfer. Ring 

electrode current showed that the reduction product of NaxHyV10O28
(6-x-y)- was stable, while 

the other three vanadium(V) species had half-lives from milliseconds to seconds. 

Phosphate complexation favored the reduction of vanadium(V) and inhibited the re-

oxidation of its reduction product in water treatment. 

Finally, radical-induced photochemical reduction of Cr(VI) and nitrate in the spent 

ion-exchange regenerant brine was investigated to increase the sustainability of ion 

exchange processes. CO2·
- has been demonstrated to be more effective than alcohol-

derived carbon-centered radicals to remove Cr(VI) in the spent brine. The reduction of 

Cr(VI) was favored at a high dosage of formate and low pHs and was not affected by ionic 

strength. Chloride transformed NO2· into less reactive NO· and Cl2·
- and inhibited Cr(VI) 

reduction. Co-removal of Cr(VI) and nitrate was achieved with an extended reaction time. 
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In summary, novel redox-based treatment processes have been developed to remove 

Cr(VI) and nitrate from drinking water and wastewater matrices. Fundamental redox 

chemistry of vanadium(V) species and their reduction products have been unveiled 

electrochemically by rotating ring-disk electrode. The developed treatment processes can 

be integrated into decentralized water treatment and reuse facilities to remove Cr(VI) and 

nitrate from local water resources. The redox chemistry of vanadium could help design 

effective treatment processes for vanadium(V) removal. Future work will be conducted to 

design treatment modules to remove Cr(VI) and nitrate in actual water matrices and  extend 

the application of rotating ring-disk electrode for other aquatic contaminants.    
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Introduction 
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1.1 Water Pollution Crisis 

Water is essential to life, socio-economic development, and healthy ecosystem. 

However, water pollution has become a global concern that is threatening the public health 

and ecological balance. The growth of world population and climate change are further 

aggravating the water contamination. Globally, 80% of wastewater is discharged to 

ecosystem without being treated or reused.1 Every day, 2 million tons of waste from 

sewage, agriculture, and industries are discharged into global water.1 1.8 billion of people 

use water contaminated with feces as their drinking water sources. 3.1% of all deaths in 

the world are caused by unsafe or inadequate water sanitation and hygiene.2 

Contaminants find their way to our limited fresh water through natural processes and 

anthropogenic activities. According to sources, water pollution can be categorized into 

point source and non-point source of pollution. Point source water pollution refers to 

contamination caused by single and identifiable source (e.g., pipes and ditches). For 

instance, the discharge of inadequately treated water by wastewater treatment plants or 

industries is a point source of pollution that can impact the water quality of surface waters 

(e.g., lakes, rivers, etc.). Non-point source water pollution refers to contamination 

originating from leaching and diffusion rather than a single discrete source. For instance, 

nutrient leaching from agriculture lands and stormwater runoff are non-point source 

pollution that can introduce nutrients, heavy metals, and organic contaminants into 

groundwater and surface water. According to the locations, water pollution can be 

categorized into surface water and groundwater pollution. Surface water pollution refers to 

the water contamination in rivers, lakes, and oceans from waste water discharged from 
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sewerage plants and industries, surface runoff, etc. Groundwater pollution refers to water 

contamination in groundwater aquifer from naturally occurring, soil contaminant leaching, 

hydraulic fracturing, etc. The interaction between surface water and groundwater through 

hydrological flow can spread water pollution from one to another. 

 A wide spectrum of substances, including organic and inorganic contaminants and 

pathogens, can enter our aquatic systems and cause water contamination. Organic water 

contaminants include petroleum hydrocarbons, food-processing waste, industrial solvent, 

dyes, detergent, etc. With the advancement of analytic technologies, trace levels of 

emerging contaminants, including disinfection by-product, pharmaceutical and personal 

care products, pesticide, herbicide, and endocrine disrupting compounds, have been 

recognized because of their potential risk to human health and aquatic life. Inorganic water 

contaminants include nutrient (e.g., nitrate, ammonia, and phosphate), heavy metals (e.g., 

chromium, lead, arsenic, cadmium, vanadium, etc.), non-metal oxyanions (e.g., selenate, 

perchlorate, nitrite, etc.), inorganic acid (e.g., sulfuric acid), etc. Disease-causing pathogens 

include Salmonella, Legionella, Giardia lamblia, Cryptosporidium parvum, etc.   

 1.2 Why Toxic Heavy Metals and Nitrate 

Among different types of contaminants, toxic heavy metals and nitrate have been 

aroused much attention because of their environmental persistence, abundance, toxicity, 

and ecological impact. Toxic heavy metals commonly refer to metal elements with a 

density greater than 5 g/cm3 and high toxicity, including chromium, vanadium, arsenic, 

cadmium, mercury, and lead. They are naturally found in earth crust and widely used in 

various industrial processes. Increasing urbanization and industrialization extracts a large 
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quantity of toxic heavy metals from earth crust and causes severe pollution in the aquatic 

systems. Toxic heavy metals are bio-accumulative and the contamination in water and soils 

causes their accumulation in aquatic species, plants, and animals and thus leads to global 

food safety issues.3 

Toxic heavy metals enter aquatic system through natural weathering of mineral ores 

or anthropogenic activities such as mining, vehicle emission, fertilizer utilization, 

industrial waste discharge, and aging water infrastructures release. Even though some of 

them (e.g., chromium) are essential elements for human beings in small quantities, they are 

carcinogenic, toxic and very detrimental to human health in excess. For instance, heavy 

metals in living organism can combine with cellular components and interfere with their 

normal metabolic functions.4 Chronic exposure to heavy metals in a long run can cause 

different symptoms and diseases, including neurotic and metal disorder, bone disease, 

kidney damage, cancers, etc.4  

Chromium and vanadium are the two most abundant toxic heavy metals in the earth 

crust.5  They are naturally present in various minerals and fossil fuels. In addition, 

chromium and vanadium are extensively used by human beings. For instance, chromium 

is widely used in electroplating, leather tanning, pigment production, metallurgy, and 

stainless steel.6, 7  Vanadium is primarily used to strengthen the steel. It also widely used 

for pigment, dyes, pesticide, catalysts, vanadium redox flow batteries, etc.8 Their wide 

distribution in natural environment and extensive use by human beings cause worldwide 

water contamination.  
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1.2.1 Toxicity, Occurrence and Regulations of Cr(VI) 

Chromium has six oxidation states (0 - VI), but only trivalent chromium (Cr(III)) and 

hexavalent chromium (Cr(VI)) are stable in aquatic environment. Cr(III), less toxic and 

considered as an essential element at trace levels, can be effectively immobilized as 

chromium hydroxide solid Cr(OH)3(s) in neutral pH ranges.9 Cr(VI) is acutely toxic, 

carcinogenic and mobile and has been identified as one of high-priority contaminants by 

the U.S. Environmental and Protection Agency (EPA).10, 11 The exposure to Cr(VI) can 

cause liver and kidney damage and lung cancer.12, 13 

Anthropogenic activities and geological weathering are the two main sources for the 

occurrence of Cr(VI) in aquatic systems. Chromium is commonly found in aquifer minerals 

(e.g., FeCr2O4). Under alkaline pH and in the presence of MnO2, Cr(VI) leaches into 

groundwater through geological weathering of chromium-containing minerals.14, 15  The 

discharge of Cr(VI)-containing wastewaters from industries also contribute to Cr(VI) 

presence in water.6, 7  Data mining of the UCMR3 revealed that 98% of drinking water 

sources in which Cr(VI) was greater than 10 µg/L originated from groundwater sources.16 

California Department of Public Health has collected data from 2007 to 2017 and reported 

Cr(VI) in drinking water supplies from active and standby public wells. 3778 of 8765 wells 

tested were detected with Cr(VI).17 U.S. EPA established the maximum contaminant level 

for total chromium of 100 µg/L.18 California has more stringent drinking water regulatory 

standard on total chromium, i.e., 50 µg/L vs. 100 µg/L.17 The public health goals 

established by the Office of Environmental Health Hazard Assessment (OEHHA) is 0.02 

μg/L for Cr(VI) in drinking water.17 Considering the toxicity and carcinogenicity, a new 
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drinking water standard for Cr(VI) is in progress. The compliance to new Cr(VI) standards 

expects to pose great challenges to public water utilities in future. 

1.2.2 Toxicity, Occurrence and Regulations of Vanadium(V) 

Vanadium has six oxidation states (-I - V) but only vanadium(IV) and vanadium(V) 

are relevant in aquatic systems. Vanadium is an essential element for some microorganism 

to properly function the enzymes and has been investigated for diabetes relief in medical 

treatment.19, 20 The toxicity of vanadium is associated with its oxidation states. At 

circumneutral pHs, vanadium(IV) mainly exists as a solid phase and has a low solubility 

and toxicity. Vanadium(V) exists as oxyanions (e.g., HVO4
2-) and is highly soluble and 

toxic. For instance, vanadate has a similar structure and chemistry with phosphate. Its 

Intake by living organisms can inhibit the enzymatic activities of phosphatases and cause 

the toxic effects. 21, 22 The aqueous chemistry of vanadium(V) is quite complex. The 

speciation of vanadium(V) is dependent on the concentration of vanadium, solution pH, 

ionic strength, and the presence of organic and inorganic constituents.23, 24  Vanadium(V) 

mainly exist as vanadate oxyanions in natural waters (e.g., H2VO4
- and HVO4

2-) and it 

tends to oligomerize into poly-vanadate anions as vanadium concentration increases.25  

Vanadium enters aquatic environments through natural weathering of mineral ores and 

anthropogenic activities including mining, industrial manufacturing, fossil fuel burnings, 

etc.26 Global anthropogenic release of vanadium into the environment is increasing because 

of the changing industrial practices and emerging waste streams.27 For instance, increased 

demand for high grade steel has doubled the global production of vanadium in the past 15 

years because increased vanadium content is required to improve the quality of steel.28 In 
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addition, vanadium redox flow batteries have been increasingly adopted for energy storage 

at off-grid locations.27 Total vanadium discharge into the environment has been raised 

through steel slag, waste incineration, and bauxite processing residue.29 The application of 

emerging technologies will expect to increase vanadium release. Vanadium has the fourth 

highest environmental enrich factor in the aquatic systems.30 Generally, vanadium(V) 

concentration in the aquatic environment varied from several ten micrograms per liter (0-

2 µM) in groundwater to several hundred milligrams per liter (> 2 mM) in liquid waste 

from metallurgy plants.26 Large portions of surface water in Europe have vanadium 

concentrations ranging from <0.05 to 19.5 µg/L. 31 

Vanadium has not been regulated in most countries of the world. In the United States, 

it was listed in unregulated contaminant monitoring rule 3 (UCMR 3) and has been 

monitored by selected public water facilities.32 The proposed notification level by OEHHA 

in the United States is 15 µg/L in drinking water.33 Vanadium has been added to 

Contaminant Candidate List 4 (CCL4) and is subject to future regulation based on further 

hazard and risk assessment on vanadium.34 Public water facilities will face great challenges 

to comply with further regulations on vanadium. 

1.2.3 Toxicity, Occurrence and Regulations of Nitrate 

Managing the nitrogen cycle is one of 14 grand challenges in 21st century recognized 

by National Academy of Engineering of the United States.35 To increase the crop 

production, a large quantity of nitrogen fertilizer has been produced from industrial 

processes. The extensive utilization of nitrogen-containing fertilizer results in excess 

nitrogen in the soil. However, only 30-50% of nitrogen is utilized by crops. Excess nitrogen 
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fertilizer in the soil undergoes biological nitrification process and is eventually converted 

into nitrate.  

Nitrate is one major nutrient that causes the degradation of drinking water quality and 

prevalent eutrophication in surface waters. It has a very high solubility and mobility and 

low retention capability in the soil. It can easily leach from soil into groundwater or surface 

water through agriculture and urban run-off. Nitrate has been ubiquitously observed in 

shallow and recharged groundwater in regions with intensive agricultural activities.36 For 

instance, agricultural drainage in Minnesota contributes to approximately 40% of nitrate 

contamination in the region’s surface water.37 Approximately 10% of groundwater in 

California has nitrate concentration greater than 10 mg/L.38 The study conducted by United 

States Environmental Protection Agency (USEPA) found that the number of public water 

systems violating national drinking water standard for nitrate (10 mg-N/L) has been 

gradually increased from 1995 to 2002. Geographically, California, Texas, and 

Pennsylvania have the largest number of public water systems in nitrate violation because 

of their extensive agriculture activities.  In addition, huge loading of nitrate from 

agriculture run-off, animal waste and human sewage lead to serve algal blooms and 

expanded dead zones in the Gulf of Mexico. The elevated nitrate level in drinking water 

can cause infant methemoglobinemia and gastric cancer in humans.39  

1.3 Existing Treatment Technologies and Challenges 

Common treatment approaches for Cr(VI) utilize chemical reduction reactions with 

subsequent filtration of a solid phase.40, 41 Cr(VI) is reduced to Cr(III) by reducing reagents 

(e.g., zero-valent iron, ferrous salt and sulfur-containing chemicals)  followed by 
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subsequent precipitation of Cr(OH)3 solids at circumneutral pH.42-44 After coagulation and 

filtration, Cr(VI) level in the treated water is highly reduced and the generated hazardous 

waste sludge required further disposal. Ion exchange has also been widely used for Cr(VI) 

removal given its operational simplicity, low cost and effectiveness.45, 46 Under typical 

drinking water conditions, Cr(VI) mainly exists as CrO4
2-. It can chelate with positively 

charged amine groups on the resin and kick out low-affinity anions (e.g., Cl-) into water. 

The resin can be categorized into weakly and strongly basic anion exchange resins. Weakly 

basic resins, typically featuring primary, secondary or ternary amine groups, cannot 

maintain their positive charge at high pH due to deprotonation and are suitable for Cr(VI) 

removal at acidic pH.47 Strongly basic resins, typically featuring quaternary amine groups, 

can maintain their positive charge across a wide pH range are effective to remove Cr(VI) 

from acidic to basic pH.44 Ion-exchange approach can efficiently remove Cr(VI) from a 

continuous flow of water but require periodic regeneration of the saturated resins. Other 

treatment methods include electrochemical reduction and coagulation,48, 49 adsorption,50, 51 

bioremediation,52, 53 and reverse osmosis membrane.54   

The removal of vanadium (V) from water has been studied mainly with adsorption. 

The performances of different adsorbents, such as activated carbon,55 metal hydroxide 

(e.g., FeOOH),56 clay minerals (e.g., Bentonite),57 biomass (e.g., pine sawdust, chitosan, 

and cellulose),58-60 and industrial waste metal sludge,61 have been investigated under 

various water chemical parameters (e.g., pH, temperature, initial vanadium concentration, 

etc.). Previous studies showed that the adsorption of vanadium(V) favored at moderate 

acidic pH under which the positively charged adsorbents adsorbed negatively charged 
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vanadium(V) species through electrostatic interaction. The adsorption behaviors mostly 

obeyed Langmuir isotherms. The maximum adsorption capacity of modified biomass-

based adsorbents and ferric hydroxide was much higher than activated carbon and 

unmodified clay materials.55, 57, 58, 62 In addition, vanadium(V) can be removed biologically 

with aerobic and anaerobic microorganisms, including Shewanella oneidensis,63 Geobacter 

metallireducens,64 Acidithiobacillus ferrooxidans,65 etc. Recently, the removal of 

vanadium(V) by microbial fuel cells has attracted much attention because their capability 

to achieve energy production and contaminant removal simultaneously.66 Some bacteria 

can oxidize organic on anode and generate electrons for vanadium(V) reduction on the 

cathode. Other methods for V(V) removal include ion exchange,67, 68 membrane filtration,59 

and chemical reduction.69, 70  

Nitrate has high solubility and stability in water, which makes it unfeasible to be 

treated by traditional coagulation and precipitation method. Ion exchange has been widely 

used for nitrate removal especially in groundwater. In this process, nitrate exchanges with 

chloride or bicarbonate ions until the resin is exhausted. Concentrated sodium chloride or 

sodium bicarbonate is used to regenerate the exhausted resins, which produces a large 

quantity of brine waste required additional disposal.39 Biological denitrification has been 

commonly used to remove nitrate from wastewater.71, 72 Under anaerobic condition, 

denitrifies can utilize the organics as electron donors to transform nitrate into nitrogen gas. 

Other treatment methods include zero-valent iron reduction,73, 74 catalytic hydrogenation,75, 

76 and electrochemical reduction,77, 78 
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In recent years, TiO2 has been widely used as the photocatalysts to remove 

contaminants in water because of its high stability, low toxicity, and good optical 

properties. TiO2 can be excited by photons with energy equal or greater than its bandgap 

and generated holes and electrons to induce redox reactions on TiO2 surface. Holes can 

directly oxidize surface-adsorbed contaminants or indirectly decompose them through 

hydroxyl radicals (HO·).79, 80 Electrons can be utilized to reduce contaminants in the water. 

But this process is much less efficient than hole- / HO· - induced oxidation because of the 

slow interfacial electron transfer and fast electron-holes recombination.81 To increase the 

availability of electrons and make TiO2 more photo-reductive, prior studies utilize hole 

scavengers (e.g., oxalic acid, formic acid, methanol, etc) to inhibit the recombination rate 

of holes and electrons.82-84 Scavengers sacrificially react with the holes and highly extend 

the longevity of electrons on TiO2 surface under UV irradiation. This principle has been 

applied to photocatalytic reduction of Cr(VI), nitrate, Se(VI), and vanadium (V).82-85 The 

addition of excess hole scavengers is usually required to achieve an satisfactory reduction 

efficiency given that interfacial hole transfer is slower than hole-electron recombination.81  

The existing treatment methods for Cr(VI), vanadium(V), and nitrate can be 

categorized into nondestructive physical removal and redox-based transformation. 

Although functional, they suffer from some drawbacks. Physical removal transfers 

contaminants from one phase to another. The media with accumulated contaminants (e.g., 

spent adsorbents and exhausted resins) and the concentrated waste streams require 

additional handling and disposal. Reduction-based transformation via chemical, 

electrochemical, photochemical, and biological approaches is a viable and more 
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sustainable strategy than physical removal because toxic contaminants are destructively 

reduced to low toxic and environmental benign products. Even so, this strategy confronts 

various challenges. For instance, chemical reduction of Cr(VI) and vanadium(V) generates 

a large quantity of hazardous waste sludge86.  Catalytic hydrogenation reduction of nitrate 

requires expensive bimetallic catalysts and flammable hydrogen gas as electron donor.87  

Electrochemical reduction suffers from limited process capacity because of the geometry 

of the electrode and mass transfer. Photocatalytic reduction requires the addition of excess 

organic chemicals to scavenge the holes, which can cause secondary pollution. Biological 

reduction is susceptible to water chemical conditions and suffers from slow removal 

kinetics. Given these limitations, the development of innovative redox-based treatment 

processes with high efficiency, robustness, and sustainability are urgent to address the 

increasing water pollution associated with Cr(VI), vanadium(V), and nitrate. 

 1.4 Emerging Technologies and Sustainable Water Management 

Increasing water pollution, deficiency of the existing technologies, and regulatory 

mandates stimulate technological innovation and sustainable water management to provide 

human beings with reliable and inexpensive access to clean water. Advanced materials and 

innovative physiochemical processes offer new opportunities and emerging solutions to 

enhance water security, extend water availability, reduce the footprint of treatment 

processes, and secure a healthy ecological system. Nanotechnology has been recognized 

with promising potentials to enhance the existing and next-generation of water treatment 

processes.88 Engineered nanomaterials have been demonstrated with exceptional catalytic, 

optical, adsorptive, electrical, antimicrobial, and quantum properties.88 For instance, 
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engineered nano-photocatalysts can increase the utilization efficiency of reactive 

intermediates (e.g., HO·) for contaminants removal and pathogen deactivation by 

selectively adsorbing them on catalytic sites.88-90 Carbon-nanotube layers deposited on 

membrane surface with applied electrical energy can effectively prevent membrane fouling 

and transform organic and inorganic contaminants.91-93 Nanostructured adsorbents can 

selectively adsorb target contaminants and possess in-situ regeneration capability without 

the aid of external chemicals.94, 95 In addition, innovative physiochemical processes with a 

fit-for-purpose feature have great application potentials for contaminant removal, 

desalination, resource and energy recovery.96-99 For instance, a system with cathodic 

generation of H2O2 with subsequent UV photolysis is capable to remove trace organic 

contaminants from local water resources.96 Electrochemical stripping with ion-selective 

and gas-diffusion membranes can recover nitrogen from source-separated urine.97  

Centralized urban water infrastructures are confronting great challenges to meet 

increasing water demand and quality requirements given climate change, population 

growth, socio-economic development, etc.100 To enhance water security, decentralized 

water treatment and reuse paradigms haven been proposed to increase the infrastructure 

resilience by integrating with centralized systems or operating independently.94 They can 

treat and reuse local water resources at locations closer to user, which reduces the energy 

consumption to long-distance water transportation. Nanotechnology and innovative 

physiochemical processes can be integrated into decentralized water treatment and reuse 

facilities to remove prioritized contaminants from diverse water matrices. Technological 

innovation with sustainable water management can ensure safe and resilient water supply.      
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1.5 Motivation, Aim and Scope 

The motivation of this doctoral research originates from the increasing water 

contamination associate with Cr(VI), vanadium(V), and nitrate, challenges confronted by 

the existing treatment technologies, and more stringent regulatory standards promulgated 

in future. The overarching goal of this research is to design novel redox-based treatment 

processes for Cr(VI) and nitrate and fundamentally understand the redox chemistry of 

vanadium(V) under different water chemical conditions. 

We focuses on redox-based treatment approaches because they can transform Cr(VI) 

and nitrate into environmental benign products (i.e., Cr(OH)3(s) and N2), avoid waste 

accumulation, and balance the ecological cycle. With the advancement of nanotechnology, 

we aim to design novel photocatalysts with engineered surface chemistry to efficiently 

remove Cr(VI) in different water matrices. Compared with Cr(VI), nitrate has unique 

photochemistry. It can generate reactive radicals and induce redox reactions. Based on 

radical chemistry of nitrate, we aim to develop novel photochemical denitrification process 

to remove nitrate from water and reduce its accumulation in aquatic systems.  

Vanadium(V) has been placed on Contaminant Candidate List 4 but has not been 

regulated in drinking water. Compared with Cr(VI) and nitrate, vanadium(V) has more 

complicated speciation and redox chemistry. The structure-property relationship of 

vanadium(V) species and their reduction products remains largely unknown under 

environment-relevant conditions. Given the existing knowledge gap on vanadium, we aim 

to utilize advanced electrochemical systems and fundamental electrochemical principles 

and theories to investigate the redox chemistry of vanadium(V) species and their 
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transformation products. The acquired knowledge aims to help public water utilities to 

design efficient treatment process for vanadium(V) and provide helpful insight on the 

transport and fate of vanadium(V) in geological system and its toxicity in biological 

systems. 

1.6 Research Hypothesis and Objectives 

To address the overall goal of this doctoral research, we proposed the following 

hypotheses and developed the specific research objectives in Chapters 2-4. 

Hypothesis 1: TiO2 nanocrystals with covalently-bonded organic ligands on the 

surface are highly photo-reductive and can efficiently reduce Cr(VI) to Cr(III) under 

various water chemical conditions.  

Prior studies have demonstrated that polyol molecules can covalently bond with 

undercoordinated Ti atoms on TiO2 surface via their hydroxyl oxygen atoms, induce the 

occupied energy state inside the TiO2 band gap, and highly improve the hole trapping 

efficiency compared with polyol molecules that physically adsorbed on TiO2 surface.101 It 

is hypothesized that the synthesized TiO2 nanocrystals with surface-bonded polyols can 

highly increase electron-releasing capacity, and effectively reduce Cr(VI) to Cr(III) under 

different water chemical conditions. 
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Objective 1: Synthesize highly reductive TiO2 photocatalyst and demonstrate its 

superior performance for Cr(VI) reduction under different water chemical 

conditions.  

We addressed Objective 1 in Chapter 2. Specially, we synthesized highly reductive 

TiO2 nanocrystals through thermal hydrolysis of TiCl4 in diethylene glycol (DEG). We 

characterized the composition, morphology, and surface properties of the synthesized TiO2 

photocatalyst and examined its enhanced hole-scavenging effect. In addition, we optimized 

synthesis parameters and examined the reaction kinetics of the synthesized TiO2 

photocatalyst for Cr(VI) reduction under different water chemical conditions, compared 

with that of standard TiO2 photocatalyst (i.e., Degussa P25 TiO2). Furthermore, we 

monitored the surface evolution of the catalyst during the reaction and characterized the 

reduction products of Cr(VI). Finally, we assess the cycling performance of the synthesized 

TiO2 photocatalyst and its application potential of in Cr(VI)-contaminated groundwater 

water. 

Hypothesis 2: Reactive radical species generated from nitrate photolysis can partially 

oxidize formate into high reductive radical species that drive subsequent 

photochemical denitrification under different water chemical conditions. 

Nitrate photolysis can generate oxidative radical species (e.g., HO·). The presence of 

formate during nitrate photolysis can scavenge oxidative radicals and generate highly 

reductive formate radicals (CO2·
-). CO2·

- is highly reductively and its potential role to drive 

denitrification has been suggested in TiO2-based photocatalytic nitrate reduction.102 It is 
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hypothesized that synergistic effect between nitrate photolysis and CO2·
--induced 

reduction of nitrogen intermediates can transform nitrate into gas-nitrogen products.   

Objective 2: Investigate the denitrification process during nitrate photolysis in the 

presence of formate and demonstrate its application potential for nitrate removal 

under different water chemical conditions.  

We addressed Objective 2 in Chapter 3. Specifically, we combined the unique 

photochemistry of nitrate and reductive properties of formate radicals (CO2·
-) to drive 

denitrification process during nitrate photolysis in the presence of formate. We conducted 

kinetic modeling to understand the reaction mechanism and recognize the major reaction 

pathways that control denitrification kinetics and selectivity. In addition, we investigated 

the effect of water chemical parameters (e.g., pH and dissolved organic matter) on 

denitrification performance. Finally, we assessed the application potentials of the proposed 

process in nitrate-contaminated groundwater.  

Hypothesis 3: The speciation of vanadium (V) and its complexation with phosphate 

impact the redox chemistry of vanadium (V) and its transformation product 

Under different aquatic conditions, vanadium (V) can exist as mono, di, tetra, 

decavanadate, etc. It also forms aquatic complexes with phosphate. Different vanadium(V) 

species have quite different sizes, structures, and coordination environment for vanadium 

atoms. It was hypothesized that reduction kinetics of vanadium(V) and the stability of its 

transformation productions were associated with the speciation of vanadium (V).
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Objective 3: Understand the reduction kinetics of vanadium (V) and its 

transformation products with electrochemical techniques.  

We addressed Objective 3 in Chapter 4. Specifically, we applied fundamental 

electrochemical principles and rotating ring-disk electrochemical techniques to investigate 

the intrinsic electron-transfer kinetics of VO2
+, NaxHyV10O28

(6-x-y)-, HxV4O12+x
(4+x)-, and 

HVO4
2- and the stability of their reduction products. Furthermore, we calculated the 

electron-transfer numbers of different vanadium (V) species and inferred their reaction 

equations. In addition, we investigated the effect of phosphate complexation on the 

reduction kinetics of vanadium (V) species and the stability of their reduction products. 

Hypothesis 4:  Cr(VI) and nitrate in the spent ion-exchange  regenerant brine can be 

removed concurrently with photochemistry of nitrate and reductive carbon-centered 

radical species.  

Nitrate and Cr(VI) coexist in the spent ion-exchange regenerant brine. Reactive 

radicals produced from nitrate under UV irradiation can be utilized to generate reductive 

carbon-centered radicals from formate and alcohols via hydrogen abstraction. It is 

hypothesized that Cr(VI) and nitrate can be removed concurrently with the aid of nitrate 

photolysis combing with the resulted reductive carbon-centered radicals in the presence of 

formate and alcohols. 
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Objective 4: Investigate photochemical reduction of Cr(VI) and nitrate in the spent 

ion-exchange brine by carbon-centered radicals.   

We addressed Objective 4 in Chapter 5. Specifically, we assessed the reduction 

performance of carbon-centered radicals derived from formate and alcohols on Cr(VI) in 

the spent ion-exchange brine. With the optimal radical, we further investigate the impact 

of organic dosage, pH, ionic strength, and the coexisting constituents on photochemical 

reduction of Cr(VI). In addition, we assessed the co-removal of Cr(VI) and nitrate in the 

spent brine.  
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2.1 Abstract 

Hexavalent chromium Cr(VI), a highly toxic oxyanion, widely occurs in drinking 

water supplies. This study designed and synthesized a new type of highly reductive TiO2 

nanocrystals for photochemical Cr(VI) removal, via the thermal hydrolysis of TiCl4 in the 

presence of diethylene glycol (DEG). Surface analyses and hydroxyl radical measurements 

suggested that DEG was chemically bonded on TiO2 surface that resulted in an internal 

hole-scavenging effect and a high electron-releasing capacity, making it advantageous to 

conventional TiO2 materials. Upon UV irradiation, the synthesized TiO2 photocatalyst 

exhibited fast Cr(VI) reduction kinetics in diverse water chemical conditions. Fast 

elimination of Cr(VI) was achieved on a time scale of seconds in drinking water matrices. 

The removal of Cr(VI) by reductive TiO2 exhibited a three-stage kinetic behavior: an initial 

fast-reaction phase, a lag phase resulting from surface precipitation of Cr(OH)3(s), and a 

final reaction phase due to surface regeneration from oxidation-reduction induced ripening 

process. The lag phase disappeared in acidic conditions that prevented the formation of 

Cr(OH)3(s). The catalyst exhibited extremely high electron-releasing capacity that can be 

reused for multiple cycles of Cr(VI) removal in drinking water treatment. 
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2.2 Introduction 

Hexavalent chromium Cr(VI), typically existing as the oxyanion CrO4
2-, is one 

emerging contaminant due to the concerns on its occurrence, toxicity and regulatory 

perspective 1-3. In contrast, trivalent chromium Cr(III), which exists as different Cr(III) 

solids (e.g., chromium hydroxide Cr(OH)3(s)) in neutral pH ranges, is less toxic and 

considered as an essential element at trace levels 3-5. There are different treatment options 

to remove Cr(VI) in drinking water. Physical removal approaches including adsorption, 

ion exchange, or membrane separation can suffer from limited adsorption capacity, low 

selectivity, slow kinetics and additional waste disposal issues 6-14. Available reductive 

Cr(VI) treatment approaches include Fe(II)-assisted coagulation and electrochemical, 

biological and photocatalytic reductions, during which soluble Cr(VI) is reduced to non-

toxic Cr(III) solids with subsequent particle removal 15-24. Although functional, these 

methods have limitations on residual handling, capacity and kinetics 25, 26.  

In recent years, the application of TiO2 photocatalyst for Cr(VI) removal has drew 

some attention 2, 3, 23. In particular, P25, a commercialized TiO2 material, has been applied 

due to its mixed anatase and rutile phases, which facilitates the hole-electron separation 

and suppresses charge carrier recombination upon UV irradiation 27-30. However, the 

interfacial electron transfer process is several orders of magnitude slower than the electron-

hole recombination in commercialized TiO2 materials 31. Consequently, electrons become 

less available for reductive water treatment. To make TiO2 more effective in releasing 

electrons, prior studies added organic chemicals (e.g., oxalic acid, methanol and formic 

acid) or inorganic ions (e.g., S2-, I- and IO3
-) as external hole scavengers to TiO2 suspension 
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and sacrificially consumed the holes generated from the valence band of TiO2 
32-35. As a 

result of the scavenging effect, electron-hole recombination is suppressed and more 

electrons are freely released from TiO2 to reductively remove contaminants, including 

nitrate, chromate, selenate, bromate and perchlorate 32-34, 36, 37.  However, because of 

inefficient hole trapping by external hole scavengers, an excess amount of sacrificial 

organic or inorganic compounds is required to achieve a high hole-scavenging efficiency 

38. This leads to chemical residuals in treated water and make it undesirable for drinking 

water applications. 

To increase the hole trapping efficiency and eliminate the external addition of 

sacrificial hole scavengers, the design of a catalyst with an internal hole-scavenging 

capacity is highly advantageous for reductive Cr(VI) treatment. Internal hole scavengers 

that are covalently bonded or chemisorbed on TiO2 surface can highly enhance the hole 

transfer across the interface to the trapping molecules and produce long-lived electrons. 

Prior studies demonstrated that scavengers with poly-hydroxyl moieties covalently bonded 

on TiO2 surface served as efficient internal hole traps upon photo-excitation of the catalyst, 

and the hole-scavenging efficiency was associated with hydroxyl groups chelated on TiO2 

surface 38, 39. This novel design of TiO2 catalyst with internal hole-scavenging capacity can 

highly inhibit electron-hole recombination process and preferentially release a large 

quantity of electrons for surface reduction. However, this designing concept for the TiO2 

catalyst has not been reported for photocatalytic Cr(VI) removal.  

The objectives of this study were to synthesize a new TiO2 photocatalyst that possesses 

a high internal hole-scavenging capacity, and apply it for reductive Cr(VI) removal in 



32 

 

diverse water chemical conditions. Diethylene glycol (DEG) was chosen as the internal 

hole scavenger, because it has hydroxyl groups that can chelate uncoordinated Ti atoms 

and be chemically bonded on TiO2 surface. Covalently-bonded DEG molecules serve as 

hole-trapping molecules and favors fast scavenging of photogenerated holes upon 

photoexcitation of TiO2. In addition, the mechanism and kinetics of Cr(VI) removal were 

investigated, with emphasis on the effects of catalyst dosage, pH and the presence of 

background ions.  

2.3 Materials and Methods 

2.3.1 Synthesis and Characterizations of TiO2 Nanocrystals 

All chemicals were analytical grade and used as received without further purification. 

All solutions were prepared with deionized (DI) water (18.2 MΩ/cm) produced from Milli-

Q system (Millipore). TiO2 nanocrystals were synthesized via the hydrolysis of TiCl4 by 

injection of 0.2 mL of TiCl4 into 20 mL of diethylene glycol (DEG) with 0.2 mL of H2O. 

The mixture was heated at 220 ºC for duration between 1.5 and 12 hours to generate TiO2 

nanocrystals with different degrees of crystallinity. Subsequently, acetone was added into 

the solution to precipitate out the TiO2 nanocrystals. The suspension was then centrifuged 

at 8500 rpm for 5 minutes, washed with acetone and water for five times to obtain the 

purified synthesized TiO2. For comparison, commercialized P25 TiO2 (BET surface area 

52 m2/g) was purchased from Acros Organics. 

The nanostructure of the synthesized catalyst was investigated using a Philips Tecnai 

T12 transmission electron microscope (TEM) at an accelerating voltage of 120 kV. Powder 
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X-ray diffraction (XRD) patterns were recorded on a PANalytical Empyream 

diffractometer with Cu Kα radiation λ = 1.5406 Å and a graphite monochromator (40 kV, 

40 mA). The Fourier transform infrared spectroscopy (FTIR) spectra were acquired on a 

Nicolet 6700 FTIR spectrometer. X-ray photoelectron spectroscopy (XPS) characterization 

was carried out on a Kratos AXIS ULTRADLD XPS system equipped with an Al Kα 

monochromated X-ray source and a 165-mm mean radius electron energy hemispherical 

analyzer.  

2.3.2 Photocatalytic Cr(VI) removal experiments 

Batch experiments of photocatalytic Cr(VI) removal were conducted in 10-mL quartz 

tubes under the irradiation of a 450-W UV immersion lamp (Ace Glass, Inc.). The lamp 

emitted photons with wavelengths ranging between 200 and 850 nm and has a UV intensity 

of 42 mW/cm2 (Figure S2.1). The light source wavelength and intensity were measured by 

thermopile (Newport 818P-010-12) and charge-coupled device (Avantes AvaSpec-EDU), 

respectively. The UV fluence was calculated to represent the total energy input to 

photocatalytic system (Text S2.1 in the Appendix A). All quartz tubes were placed in a 

carousel that rotated around the UV lamp. Prior to UV experiments, the synthesized TiO2 

suspension was sonicated for 10 min, followed by the addition to a solution with Cr(VI) 

concentrations varying between 0.1 and 50 mg/L prepared from a K2CrO4 stock solution. 

The dosage of the synthesized TiO2 photocatalyst ranged from 5 to 500 mg/L. The specific 

surface area of the synthesized TiO2 nanocrystals is 156 m2/g (Text S2.2 in Appendix A). 

The pH of Cr(VI) solutions was controlled at either 7.0 or 2.7 by adding phosphate buffer. 
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In some experiments, synthetic groundwater and tap water from Riverside, CA were used 

to simulate drinking water matrices (Table S2.1) 40, 41.  

To start a UV reaction, the freshly prepared TiO2/Cr(VI) suspensions in quartz tubes 

were sonicated for 2 minutes and immediately placed in the UV reactor. At pre-determined 

sampling intervals, one sacrificial quartz tube was taken out from the UV reactor. The 

suspension was immediately filtered through a 0.22-μm Millipore syringe filter to analyze 

the Cr(VI) concentration in the filtrate. To evaluate the longevity of the catalyst, 

experiments were conducted with multiple cycles of Cr(VI) removal using the same 

suspension of 50 mg/L TiO2. At the beginning of the experiment, 20 mg/L of Cr(VI) was 

spiked to the TiO2 suspension, and a sample was withdrawn and filtered every 15 minutes. 

At the end of one cycle, Cr(VI) concentration in the suspension was spiked back to 20 

mg/L using a K2CrO4 stock solution and its removal process was monitored again. This 

experiment continued for a total of 10 cycles. The solution pH was controlled at 2.7 with 

0.2 M phosphate buffer prepared with 0.1 M H3PO4 and 0.1 M NaH2PO4. 

2.3.3 Analytical methods 

The concentration of Cr(VI) was measured by the standard 1,5-diphenylcarbazide 

(DPC) method 42. For samples with Cr(VI) concentrations higher than 100 μg/L, direct 

measurement with a spectrophotometer (Horiba scientific, Inc.) was conducted. For 

samples with Cr(VI) concentrations less than 100 μg/L, ion chromatography measurement 

was conducted with a Dionex IonPac AS7 column (4×250 mm) and a multi-wavelength 

UV detector (Dionex ICS-1000). The signal was recorded at 530 nm with eluent (250 mM 

(NH4)2SO4 and 100 mM NH4OH) and post-column reagent (2 mM DPC, 10% v/v CH3OH 
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and 0.5 M H2SO4). Total chromium concentration was analyzed by Agilent 7700 Series 

Inductively Coupled Plasma-Mass Spectrometry (ICP-MS). 

Particle sizes of the synthesized TiO2 nanocrystals during Cr(VI) reduction reaction 

were monitored by single-particle ICP-MS. Particle size distribution of Cr(III) solids 

generated from Cr(VI) reduction was estimated by sequential filtration of treated samples. 

Details of the particle size analysis were provided as Texts S2.3-S2.4 in the Appendix A. 

Surface charges of TiO2 were analyzed by a zeta potential analyzer (Beckman Coulter).  

To compare the hole-scavenging capacity between synthesized TiO2 and P25 TiO2 

during the UV irradiation, the hole-driven production of hydroxyl radical (HO) from TiO2 

was assessed using terephthalic acid (TA) as a probe compound 43. An 8-mL suspension 

containing 60 µM TA, 7.8 m2/L TiO2 (50 mg/L synthesized TiO2 nanocrystals or 150 mg/L 

P25 TiO2) and 6 mM phosphate buffer was irradiated by UV. The oxidation product of TA 

by HO, i.e., 2-hydroxylterephthalic acid, was monitored using a fluorometer (Horiba 

scientific, Inc) with an excitation wavelength at 315 nm and emission wavelength at 425 

nm. 

2.4 Results and Discussion 

2.4.1 Characterization and optimization of TiO2 nanocrystals 

The synthesized TiO2 nanocrystals were irregularly shaped, with sizes of 

approximately 5-10 nm (Figure 2.1A). XRD peaks showed that TiO2 existed as the anatase 

phase (Figure 2.1B). The average domain size of TiO2 nanocrystals was approximately 4 

nm (Calculation shown as Text S2.5 in the Appendix A), which also agreed with the TEM 
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observation (Figure 2.1A). FTIR spectra showed that DEG was chemically bonded on the 

surface of TiO2 (Figure 2.1C). Specifically, the FTIR absorption peaks at wavenumbers of 

889, 1052, 1124, and 1352 cm-1 corresponded to –OC2H4, -C-O stretching in COH, OH in-

plane bending, and -CH2 bending, respectively.44 The peak for C-O stretching in COH 

shifts from 1052 to 1080 cm-1, indicating the formation of C-O-Ti bond between DEG and 

Ti4+ on the surface of synthesized TiO2 nanocrystals 45, 46.  

The synthesis parameter of TiO2 nanocrystals was optimized to achieve the optimal 

performance for Cr(VI) removal. The hydrolysis time was a key parameter because it 

impacted the number of DEG molecules that were chemically bonded on TiO2 surface. 

Details on the optimization of synthesis parameter were provided in Text S2.6, Table S2.2, 

and Figure S2.2 in the Appendix A. The optimal hydrolysis time was determined as 3 

hours.   
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Figure 2.1 The synthesized TiO2 nanocrystals after heating TiCl4 in diethylene glycol and 

H2O for 3 hours. (A) TEM image; (B) XRD pattern; (C) FTIR spectra of diethylene glycol 

and TiO2 nanocrystals. 
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2.4.2 Photocatalytic reduction of Cr(VI) by TiO2  

 

Figure 2.2 The photocatalytic removal of Cr(VI) with its initial concentrations at (A) 100 

µg/L and (B) 20 mg/L under UV irradiation by TiO2 catalysts. pH = 7.0 with 6 mM 

phosphate buffer and TiO2 surface area-based dosage = 7.8 m2/L. 
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The synthesized TiO2 nanocrystals were used for photocatalytic reduction of Cr(VI) 

and their performance was compared with the commercial grade P25 TiO2. With an Cr(VI) 

concentration of 100 µg/L and a surface area-based TiO2 dosage of 7.8 m2/L, the 

synthesized TiO2 nanocrystals exhibited a much higher Cr(VI) removal efficiency than 

P25, especially at the initial stage of the reaction (Figure 2.2A). For example, within 10 

seconds of UV irradiation, 60% of Cr(VI) was removed by the synthesized TiO2 

nanocrystals, while only 10% removal was achieved by P25 TiO2. Only 10 min was 

required to reduce Cr(VI) concentration to below 10 µg/L with the synthesized TiO2. 

Adsorption control showed TiO2 particles had negligible effect on Cr(VI) adsorption 

(Figure 2.2), mainly due to the electrostatic repulsion between Cr(VI) and the catalyst 

surface, as evidenced by the negative zeta potential of TiO2 nanoparticles at neutral pH 

ranges (Figure S2.3). Control experiments showed that Cr(VI) was not removed by direct 

photolysis (Figure 2.2). With an initial Cr(VI) concentration of 20 mg/L, a nearly complete 

removal was achieved after 120 minutes of UV irradiation with the synthesized TiO2, while 

only 12% of Cr(VI) was removed with P25 TiO2 (Figure 2.2B). The synthesized TiO2 also 

exhibited a much higher treatment efficiency than P25 TiO2 with 1 and 50 mg/L of initial 

Cr(VI) (Figure S2.4).  

2.4.3 Identification of internal hole-scavenging capacity  

The highly reductive nature of the synthesized TiO2 resulted from its intrinsic hole-

scavenging capacity. The chemically-bonded DEG on the TiO2 surface can trap 

photogenerated holes more efficiently. DEG has two hydroxyl groups and it is connected 

to the synthesized TiO2 surface by the Ti-O-C chemical bond. The characteristic time of 
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hole-scavenging (<100 fs) by chemically-bonded polyhydroxyl moieties is much shorter 

than that of hole-electron recombination (10-20 ps) 38, 47. Therefore, the hole-electron 

recombination process is inhibited and more electrons can be released for Cr(VI) reduction. 

The internal hole-scavenging capacity of the synthesized TiO2 nanocrystals was confirmed 

using terephthalic acid (TA) to trap HO which was produced from hole-induced oxidation 

of water molecule 48. The synthesized TiO2 produced 0.2 µM HO after 90 seconds of UV 

irradiation, while P25 TiO2 produced 2.7 µM HO with the same duration of reaction 

(Figure 2.3). This confirmed that the synthesized TiO2 possessed a much higher hole-

scavenging capacity than P25 TiO2. 

 
Figure 2.3 Cumulative HO· radical production in the presence of the synthesized TiO2 

nanocrystals and P25 TiO2 under UV irradiation. TiO2 surface area-based dosage = 7.8 

m2/L, TA concentration = 10 mg/L, and pH = 7 with 6 mM phosphate buffer. 
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2.4.4 Kinetics of photocatalytic Cr(VI) removal by TiO2 
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Figure 2.4 The effect of catalyst dosage on photocatalytic reduction of Cr(VI) over the 

synthesized TiO2 nanocrystals under UV irradiation. Initial [Cr(VI)] = 20 mg/L, pH = 7 

with 6 mM phosphate buffer. 

An increase of catalyst dosage enhanced Cr(VI) removal efficiency (Figure 2.4). With 

an initial Cr(VI) concentration of 20 mg/L, Cr(VI) removal kinetics exhibited three distinct 

phases: an initial fast-reaction phase, a lag phase and a final decay phase (Figure 2.4). For 

example, with 50 mg/L of TiO2, Cr(VI) concentration decreased fast by 12% within 4 

minutes of reaction, changed slowly during the next 20 minutes, and further decreased until 

a complete removal. When the catalyst dosage increased from 50 to 500 mg/L, the duration 

of the lag phase was shortened and eventually eliminated. The reaction time required to 

achieve 95% of Cr(VI) removal decreased from 120 to 8 minutes (Figure 2.4). Similar 

trends were also observed for 0.1, 1 and 50 mg/L of Cr(VI) (Figure S2.5).  
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A second-order kinetic model was developed to describe reductive Cr(VI) by TiO2 at 

the early stage of reaction:  

                                     (1) 

Where kCr(VI) is the surface area-normalized rate constant of Cr(VI) reduction (L·m-

2·min-1). [TiO2] is the dosage of TiO2 (g/L), [Cr(VI)] is the concentration of Cr(VI) (mg/L), 

and STiO2 is the surface area of TiO2 catalyst (m2/g). 

The synthesized TiO2 nanocrystals exhibited a much higher kCr(VI) than P25 TiO2 

(Figure S2.6). As Cr(VI) concentration increased from 0.1 to 1 mg/L, kCr(VI) of the 

synthesized TiO2 nanocrystals increased by 220% from 0.29 to 0.93 L·m-2·min-1. This was 

caused by an increase of collision frequency between Cr(VI) and catalyst surface which 

increased the probability of Cr(VI) to grab electrons from the surface. However, a further 

increase of Cr(VI) from 1 to 50 mg/L led to a significant drop of kCr(VI) from 0.93 to 0.014 

L·m-2·min-1 which was caused by fast surface passivation from Cr(OH)3(s). It has been 

discussed in details in section 3.5.  

2.4.5 Identification of Cr(VI)/TiO2 Surface Reduction Mechanism 

The three-phase kinetic behavior resulted from the deposition of Cr(OH)3(s) solids on 

the TiO2 surface. At the neutral pH, the predominant species of Cr(III) solids formed on 

the catalyst surface was Cr(OH)3(s), according to Cr(III) speciation at different pHs (Figure 

S2.7). The green solids generated during the reaction (Figure S2.8) was also consistent 

with the visual appearance of Cr(OH)3(s) 
49. At a low catalyst dosage, the precipitated 

2( ) 2

[ ( )]
[ ][ ( )]( )Cr VI TiO

d Cr VI
k TiO Cr VI S

dt
= −
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Cr(OH)3(s) quickly blocked the active sites of the catalyst surface that would otherwise be 

available for Cr(VI) reduction. As a result, an extended lag phase was observed after the 

initial rapid reduction (Figure 2.2B and Figure 2.4). During the lag phase, Cr(OH)3(s) was 

oxidized to Cr(VI) by photogenerated holes, but the formed Cr(VI) was quickly converted 

back to Cr(OH)3(s) again by photogenerated electrons. This reaction sequence induced a 

ripening process on TiO2 surface, in which smaller Cr(OH)3(s) particles were oxidatively 

dissolved followed by a reductive re-deposition onto larger Cr(OH)3(s), leading to the 

regeneration of some reactive TiO2 surface and the subsequent recovery of its reactivity. 

Consequently, a final decay phase took place. When the TiO2 dosage was considerably 

high, the active surface sites were not completely blocked by Cr(OH)3(s) precipitation, and 

the lag phase was shortened or eliminated (Figure 2.2B and Figure 2.4). 

The growth of Cr(OH)3(s) in the surface ripening process was further confirmed by the 

changes of particle sizes over time. The fraction of Cr(OH)3(s) with larger particle sizes 

increased gradually with reaction time (Figures S2.9-S2.10). At the initial reaction stage 

(0.2 minutes of reaction), 46% of the Cr(OH)3(s) had particle sizes less than 25 nm. This 

fraction decreased to 10% after 30 minutes of reaction. In contrast, the fraction of 

Cr(OH)3(s) solid with sizes between 25 and 220 nm increased from 37% to 64% from 0.2 

to 30 minutes. Particles with sizes larger than 220 nm increased from 18% to 25% with the 

same duration of reaction. Therefore, Cr(OH)3(s) particles grew with the reaction time. To 

further confirm the effect of Cr(OH)3(s) passivation on the reactivity of TiO2 nanocrystals, 

additional experiments were performed at the acidic pH of 2.7, at which Cr(III) existed as 
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the dissolved ion Cr3+. Cr(VI) removal kinetics was much faster at pH of 2.7 than that at 

7.0, and the lag phase completely disappeared at pH 2.7 (Figures S2.11- S2.12).  
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Figure 2.5 FTIR spectra of TiO2 nanocrystals separated from reaction suspensions during 

Cr(VI) reduction process. Initial [Cr(VI)] = 20 mg/L, TiO2 dosage = 50 mg/L, and pH = 7 

with 6 mM phosphate buffer. 

FTIR spectra of TiO2 at different reaction times exhibited dramatic changes that were 

indicative of surface phenomena (Figure 2.5). At time zero, the absorption peaks at 889, 

1124 and 1352 cm-1 corresponded to –OC2H4 stretching, –C-O stretching and –CH2 

bending, which were characteristic of DEG molecules. The peak at 1080 cm-1 corresponded 

to the –C-O-Ti stretching, characteristic of the chemical bonding between DEG and Ti 

atoms. As the reaction time increased to 120 minutes, the characteristic peaks of DEG and 

its bonding with TiO2 were still persistent, indicating that DEG was strongly bonded on 

the catalyst surface as an internal hole scavenger. The broad absorption band between 1700 

and 1900 cm-1 increasing with reaction time suggested the generation of –C=O groups that 
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resulted from the oxidation of hydroxyl groups in DEG by photo-generated holes. In 

addition, the intensity increase of the broad bands at 950-1050 cm-1 with reaction time 

corresponded to Cr-OH stretching, suggesting the formation of Cr species on the TiO2 

surfaces 50.  

XPS spectra identified the oxidation states of Cr species generated on catalyst surface 

over time (Figure 2.6). At time zero, characteristic peaks from O 1s, Ti 2s, Ti 2p and C 1s 

orbits were observed. They agreed with the composition of the synthesized TiO2 

nanocrystals. Meanwhile, typical peaks of Cr from its 2p orbit appeared with increasing 

reaction time, indicating the formation of Cr species on the catalyst surface (Figure 2.6A). 

After 2 minutes of reaction, the doublet peaks at ~577 and ~586 eV attributed to Cr(III) 

2p1/2 and Cr 2p3/2 levels resulted from Cr 2p spin-orbit splitting (Figure 2.6B). The peaks 

centered at ~580 and ~589 eV corresponded to the binding energies of Cr(VI) 2p3/2 and 

Cr(VI) 2p1/2, respectively 51. Weak signals from Cr(VI) at 2 minutes probably resulted 

from Cr(VI) adsorbed on TiO2 surfaces. After 20 minutes of reaction, peaks from surface-

adsorbed Cr(VI) disappeared and only doublet from Cr(III) 2p3/2 and Cr(III) 2p1/2 was 

present (Figure 2.6C). After 120 minutes of reaction, the doublet peaks from Cr(III) 2p3/2 

and Cr(III) 2p1/2 became stronger, indicating more Cr(III) deposited on the surface 

(Figure 2.6D). The Cr(III)-to-Ti molar ratio on TiO2 surfaces, estimated on the basis of 

XPS spectra, showed a dramatic increase from 0 to 0.23 during the fast-reaction phase (0 

to 2 minutes), then slightly increased to 0.25 during the lag phase (2 to 20 minutes), and 

finally increased to 0.46 at the end of the decay phase (120 minutes). The evolution of XPS 
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spectra from 2 to 120 minutes indicated the consumption of Cr(VI) and generation of 

Cr(III) on the catalyst surface. 

 
Figure 2.6 Full scan (A) and Cr 2p (B-D) XPS spectra of the synthesized TiO2 nanocrystals 

separated from reaction suspensions during Cr(VI) reduction process. Initial [Cr(VI)] = 20 

mg/L, TiO2 dosage = 50 mg/L, pH = 7 with 6 mM phosphate buffer. 
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Furthermore, the surface charges of TiO2 nanocrystals became increasingly negative 

during the initial fast-reaction stage because of the precipitation of negatively charged 

Cr(OH)3(s) on TiO2 surface (Figures S2.13-S2.14). Following that, it became less negative 

due to the decrease of surface coverage of Cr(OH)3(s) impacted by the ripening process. 

The zeta potential of TiO2 nanocrystals eventually stabilized at approximately -50 mV 

because of the combined effect from Cr(OH)3(s) precipitation and surface regeneration 

through ripening process. Single particle ICP-MS analysis also showed that the particles 

size of TiO2 nanocrystals during the UV reaction was constantly between 10 and 20 nm, 

suggesting no strong aggregation of TiO2 nanocrystals in the Cr(VI) solution (Figure 

S2.15).  

2.4.6 Assessment of application potentials 
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Figure 2.7 Multiple-cycle performance of the synthesized TiO2 nanocrystals for the 

photocatalytic reduction of Cr(VI) under UV irradiation. Initial [Cr(VI)] = 20 mg/L, TiO2 

dosage = 50 mg/L and pH = 2.7 with 0.2 M phosphate buffer. 
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Longevity and reductive performance in actual water matrices are assessed for the 

application potentials of TiO2 nanocrystals. To examine the longevity and stability, the 

synthesized TiO2 nanocrystals were evaluated for multiple cycles of Cr(VI) treatment. 

Cr(VI) removal efficiency was higher than 95% during the first three cycles, and remained 

at nearly 80% in subsequent cycles (Figure 2.7).  To quantity electron released from the 

synthesized TiO2, the electron capacity (mole e-/g TiO2) in each cycle was calculated (Text 

S2.7 and Figure S2.16). The total electron capacity for 10 cycles was 0.187 mol/g, 

indicating that the synthesized TiO2 nanocrystals have a large electron-releasing capacity 

for Cr(VI) reduction. The modest decrease of electron capacity after 3 cycles was likely 

associated with the consumption of surface-bonded DEG on TiO2 nanocrystals in the hole 

scavenging process.  

The solution chemical conditions could affect the Cr(VI) removal efficiency by 

synthesized TiO2. Cr(VI) removal kinetics was faster in synthetic groundwater or tap water 

matrice than in DI water (Figure S2.17). It is likely that the presence of anions, cations or 

natural organic matter in both groundwater and tap water acted as additional hole-

scavengers, which improved electron releasing capacity of TiO2 for reductive Cr(VI) 

removal. Assessment of longevity and water matrice impact demonstrated that the 

synthesized TiO2 was robust to treat Cr(VI) in diverse water matrices.  

2.5 Conclusions 

The newly synthesized TiO2 catalyst was advantageous to traditional TiO2 materials, 

because it possessed a strong internal hole-scavenging capacity achieved by chemically-

bonded DEG with a cost-effective and low-temperature thermal hydrolysis synthesis. The 
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synthesized catalyst worked efficiently in diverse water chemical matrices and possessed 

a good longevity for multiple use. Surface-deposited Cr(OH)3(s) caused multi-phasic Cr(VI) 

reduction kinetics. High catalyst dosage or acid pH highly improved Cr(VI) reduction 

efficiency. To design a photocatalytic Cr(VI) treatment unit, the synthesized TiO2 can be 

immobilized on a surface under UV irradiation in a flow-through photochemical reactor, 

or suspended in a completely-mixed reactor. Future work will examine the separation of 

TiO2, e.g., by making the synthesized TiO2 catalyst magnetic and separating it by a 

magnetic field.  

2.6 Acknowledgement 

The study was supported by UC Riverside Faculty Initiation Fund, and collaborative 

seed grants from UC Riverside Research and Economic Development Office and Center 

for Catalysis. We thank our undergraduate group member Priscila Coelho for her 

participation in this project. 

 



50 

 

References 

 

1. California Environmental Protection Agency; State Water Resources Board. Hexavalent 

Chromium in Drinking In Water. 

http://www.waterboards.ca.gov/drinking_water/certlic/drinkingwater/Chromium6.sht

ml (accessed on 8/10/2015). 

2. Stancl, H. O. N.; Hristovski, K.; Westerhoff, P., Hexavalent Chromium Removal Using 

UV-TiO2/Ceramic Membrane Reactor. Environmental Engineering Science 2015, 32 

(8), 676-683. 

3. Testa, J. J.; Grela, M. A.; Litter, M. I., Heterogeneous photocatalytic reduction of 

chromium(VI) over TiO2 particles in the presence of oxalate:  involvement of Cr(V) 

species. Environ. Sci. Technol. 2004, 38 (5), 1589-1594. 

4. Lee, G.; Hering, J. G., Oxidative Dissolution of Chromium(III) Hydroxide at pH 9, 3, 

and 2 with Product Inhibition at pH 2. Environ. Sci. Technol. 2005, 39 (13), 4921-4928. 

5. McNeill, L. S.; McLean, J. E.; Parks, J. L.; Edwards, M., Hexavalent chromium review, 

part 2: Chemistry, occurrence, and treatment. Journal - American Water Works 

Association 2012, 104, E395-E405. 

6. Wang, T.; Zhang, L.; Li, C.; Yang, W.; Song, T.; Tang, C.; Meng, Y.; Dai, S.; Wang, 

H.; Chai, L., Synthesis of Core–Shell Magnetic Fe3O4@ poly (m-Phenylenediamine) 

Particles for Chromium Reduction and Adsorption. Environ. Sci. Technol. 2015, 49 (9), 

5654-5662. 

7. Wang, W.; Zhou, J.; Achari, G.; Yu, J.; Cai, W., Cr(VI) removal from aqueous solutions 

by hydrothermal synthetic layered double hydroxides: Adsorption performance, 

coexisting anions and regeneration studies. Colloids Surf. Physicochem. Eng. Aspects 

2014, 457, 33-40. 

8. Wen, Y.; Tang, Z.; Chen, Y.; Gu, Y., Adsorption of Cr(VI) from aqueous solutions using 

chitosan-coated fly ash composite as biosorbent. Chem. Eng. J. 2011, 175, 110-116. 

9. Edebali, S.; Pehlivan, E., Evaluation of Amberlite IRA96 and Dowex 1×8 ion-exchange 

resins for the removal of Cr(VI) from aqueous solution. Chem. Eng. J. 2010, 161 (1-2), 

161-166. 

10. McGuire, M. J.; Blute, N. K.; Seidel, C.; Qin, G.; Fong, L., Pilot-scale studies of 

Hexavalent Chromium Removal from drinking water. Journal (American Water Works 

Association) 2006, 98 (2), 134-143. 

11. Yoon, J.; Amy, G.; Chung, J.; Sohn, J.; Yoon, Y., Removal of toxic ions (chromate, 

arsenate, and perchlorate) using reverse osmosis, nanofiltration, and ultrafiltration 

membranes. Chemosphere 2009, 77 (2), 228-235. 



51 

 

12. Jiang, W.; Pelaez, M.; Dionysiou, D. D.; Entezari, M. H.; Tsoutsou, D.; O’Shea, K., 

Chromium(VI) removal by maghemite nanoparticles. Chem. Eng. J. 2013, 222, 527-533. 

13. Sun, X.; Yang, L.; Li, Q.; Liu, Z.; Dong, T.; Liu, H., Polyethylenimine-functionalized 

poly(vinyl alcohol) magnetic microspheres as a novel adsorbent for rapid removal of 

Cr(VI) from aqueous solution. Chem. Eng. J. 2015, 262, 101-108. 

14. Ren, Z.; Kong, D.; Wang, K.; Zhang, W., Preparation and adsorption characteristics of 

an imprinted polymer for selective removal of Cr(vi) ions from aqueous solutions. J. 

Mater. Chem. A 2014, 2 (42), 17952-17961. 

15. Patterson, R. R.; Fendorf, S.; Fendorf, M., Reduction of Hexavalent Chromium by 

Amorphous Iron Sulfide. Environ. Sci. Technol. 1997, 31 (7), 2039-2044. 

16. Qin, G.; McGuire, M. J.; Blute, N. K.; Seidel, C.; Fong, L., Hexavalent Chromium 

Removal by Reduction with Ferrous Sulfate, Coagulation, and Filtration:  A Pilot-Scale 

Study. Environ. Sci. Technol. 2005, 39 (16), 6321-6327. 

17. Aoudj, S.; Khelifa, A.; Drouiche, N.; Belkada, R.; Miroud, D., Simultaneous removal 

of chromium(VI) and fluoride by electrocoagulation–electroflotation: Application of a 

hybrid Fe-Al anode. Chem. Eng. J. 2015, 267, 153-162. 

18. Ruotolo, L. A. M.; Santos-Júnior, D. S.; Gubulin, J. C., Electrochemical treatment of 

effluents containing Cr(VI). Influence of pH and current on the kinetic. Water Res. 2006, 

40 (8), 1555-1560. 

19. Velazquez-Peña, S.; Barrera-Díaz, C.; Linares-Hernández, I.; Bilyeu, B.; Martínez-

Delgadillo, S. A., An Effective Electrochemical Cr(VI) Removal Contained in 

Electroplating Industry Wastewater and the Chemical Characterization of the Sludge 

Produced. Ind. Eng. Chem. Res. 2012, 51 (17), 5905-5910. 

20. Contreras, E.; Orozco, A. F.; Zaritzky, N., Biological Cr (VI) removal coupled with 

biomass growth, biomass decay, and multiple substrate limitation. Water Res. 2011, 45 

(10), 3034-3046. 

21. Ding, Z.; Lu, G. Q.; Greenfield, P. F., Role of the Crystallite Phase of TiO2 in 

Heterogeneous Photocatalysis for Phenol Oxidation in Water. The Journal of Physical 

Chemistry B 2000, 104 (19), 4815-4820. 

22. Gimenez, J.; Aguado, M.; Cervera-March, S., Photocatalytic reduction of chromium 

(VI) with titania powders in a flow system. Kinetics and catalyst activity. J. Mol. Catal. 

A: Chem. 1996, 105 (1), 67-78. 

23. Liu, W.; Ni, J.; Yin, X., Synergy of photocatalysis and adsorption for simultaneous 

removal of Cr (VI) and Cr (III) with TiO2 and titanate nanotubes. Water Res. 2014, 53, 

12-25. 

24. Yoneyama, H.; Yamashita, Y.; Tamura, H., Heterogeneous photocatalytic reduction of 

dichromate on n-type semiconductor catalysts. Nature 1979, 282, 817-818. 



52 

 

25. Huang, L.; Wang, Q.; Jiang, L.; Zhou, P.; Quan, X.; Logan, B. E., Adaptively Evolving 

Bacterial Communities for Complete and Selective Reduction of Cr(VI), Cu(II), and 

Cd(II) in Biocathode Bioelectrochemical Systems. Environ. Sci. Technol. 2015, 49 (16), 

9914-9924. 

26. Barrera-Díaz, C. E.; Lugo-Lugo, V.; Bilyeu, B., A review of chemical, electrochemical 

and biological methods for aqueous Cr(VI) reduction. J. Hazard. Mater. 2012, 223-224, 

1-12. 

27. Munoz, J.; Domenech, X., TiO2 catalysed reduction of Cr (VI) in aqueous solutions 

under ultraviolet illumination. J. Appl. Electrochem. 1990, 20 (3), 518-521. 

28. Ku, Y.; Jung, I.-L., Photocatalytic reduction of Cr (VI) in aqueous solutions by UV 

irradiation with the presence of titanium dioxide. Water Res. 2001, 35 (1), 135-142. 

29. Lin, W. Y.; Wei, C.; Rajeshwar, K., Photocatalytic reduction and immobilization of 

hexavalent chromium at titanium dioxide in aqueous basic media. J. Electrochem. Soc. 

1993, 140 (9), 2477-2482. 

30. Testa, J. J.; Grela, M. A.; Litter, M. I., Experimental evidence in favor of an initial one-

electron-transfer process in the heterogeneous photocatalytic reduction of chromium (VI) 

over TiO2. Langmuir 2001, 17 (12), 3515-3517. 

31. Hoffmann, M. R.; Martin, S. T.; Choi, W.; Bahnemann, D. W., Environmental 

applications of semiconductor photocatalysis. Chem. Rev. 1995, 95 (1), 69-96. 

32. Doudrick, K.; Yang, T.; Hristovski, K.; Westerhoff, P., Photocatalytic nitrate reduction 

in water: Managing the hole scavenger and reaction by-product selectivity. Applied 

Catalysis B: Environmental 2013, 136-137, 40-47. 

33. Rengaraj, S.; Venkataraj, S.; Yeon, J.-W.; Kim, Y.; Li, X. Z.; Pang, G. K. H., 

Preparation, characterization and application of Nd–TiO2 photocatalyst for the reduction 

of Cr(VI) under UV light illumination. Applied Catalysis B: Environmental 2007, 77 

(1-2), 157-165. 

34. Tan, T.; Beydoun, D.; Amal, R., Effects of organic hole scavengers on the 

photocatalytic reduction of selenium anions. J. Photochem. Photobiol. A: Chem. 2003, 

159 (3), 273-280. 

35. Galińska, A.; Walendziewski, J., Photocatalytic Water Splitting over Pt−TiO2 in the 

Presence of Sacrificial Reagents. Energy Fuels 2005, 19 (3), 1143-1147. 

36. Yang, T.; Doudrick, K.; Westerhoff, P., Photocatalytic reduction of nitrate using 

titanium dioxide for regeneration of ion exchange brine. Water Res. 2013, 47 (3), 1299-

1307. 

37. Marks, R.; Yang, T.; Westerhoff, P.; Doudrick, K., Comparative analysis of the 

photocatalytic reduction of drinking water oxoanions using titanium dioxide. Water Res. 

2016. 



53 

 

38. Shkrob, I. A.; Sauer, M. C.; Gosztola, D., Efficient, rapid photooxidation of 

chemisorbed polyhydroxyl alcohols and carbohydrates by TiO2 nanoparticles in an 

aqueous solution. The Journal of Physical Chemistry B 2004, 108 (33), 12512-12517. 

39. Du, M.-H.; Feng, J.; Zhang, S., Photo-oxidation of polyhydroxyl molecules on TiO2 

surfaces: from hole scavenging to light-induced self-assembly of TiO2-cyclodextrin 

wires. Phys. Rev. Lett. 2007, 98 (6), 066102. 

40. Babiker, I., Assessment of groundwater contamination by nitrate leaching from 

intensive vegetable cultivation using geographical information system. Environ. Int. 

2004, 29 (8), 1009-1017. 

41. Water Quality Report 2014 Riverside Public Utilities: Riverside, 2014  

http://www.riversideca.gov/utilities/pdf/wqar/2014-Water-Quality-Annual-Report.pdf. 

42. Rice, E. W.; Bridgewater, L.; American Public Health, A.; American Water Works, A., 

Standard methods for the examination of water and wastewater. American Public 

Health Association: Washington, D.C., 2012. 

43. Ishibashi, K.-i.; Fujishima, A.; Watanabe, T.; Hashimoto, K., Detection of active 

oxidative species in TiO2 photocatalysis using the fluorescence technique. Electrochem. 

Commun. 2000, 2 (3), 207-210. 

44. Ahmed, M. K.; McLeod, M. P.; Nézivar, J.; Giuliani, A. W., Fourier transform infrared 

and near-infrared spectroscopic methods for the detection of toxic diethylene glycol 

(DEG) contaminant in glycerin based cough syrup. Journal of Spectroscopy 2010, 24 

(6), 601-608. 

45. Vasconcelos, D. C. L.; Nunes, E. H. M.; Gasparon, M.; Vasconcelos, W. L., Infrared 

spectroscopy of titania sol-gel coatings on 316L stainless steel. Materials sciences and 

applications 2011, 2 (10), 1375. 

46. Kim, G.; Lee, S.-H.; Choi, W., Glucose–TiO2 charge transfer complex-mediated 

photocatalysis under visible light. Applied Catalysis B: Environmental 2015, 162, 463-

469. 

47. Colombo, D. P.; Roussel, K. A.; Saeh, J.; Skinner, D. E.; Cavaleri, J. J.; Bowman, R. 

M., Femtosecond study of the intensity dependence of electron-hole dynamics in TiO2 

nanoclusters. Chem. Phys. Lett. 1995, 232 (3), 207-214. 

48. Pelaez, M.; Nolan, N. T.; Pillai, S. C.; Seery, M. K.; Falaras, P.; Kontos, A. G.; Dunlop, 

P. S. M.; Hamilton, J. W. J.; Byrne, J. A.; O'Shea, K.; Entezari, M. H.; Dionysiou, D. 

D., A review on the visible light active titanium dioxide photocatalysts for 

environmental applications. Applied Catalysis B: Environmental 2012, 125, 331-349. 

49. Spiccia, L.; Marty, W., The fate of" active" chromium hydroxide, Cr(OH)3·3H2O, in 

aqueous suspension. Study of the chemical changes involved in its aging. Inorg. Chem. 

1986, 25 (3), 266-271. 



54 

 

50. Papassiopi, N.; Vaxevanidou, K.; Christou, C.; Karagianni, E.; Antipas, G., Synthesis, 

characterization and stability of Cr (III) and Fe (III) hydroxides. J. Hazard. Mater. 2014, 

264, 490-497. 

51. Dupont, L.; Guillon, E., Removal of hexavalent chromium with a lignocellulosic 

substrate extracted from wheat bran. Environ. Sci. Technol. 2003, 37 (18), 4235-4241. 

 



55 

 

Chapter 3  
 

 

Nitrate Removal via a Formate 

Radical-induced Photochemical 

Process 
 

 

 

Previously Published in Environmental Science and Technology 

 

Chen, G., Hanukovich, S., Chebeir, M., Christopher, P., & Liu, H. 

(2018). Nitrate Removal via a Formate Radical-induced 

Photochemical Process. Environmental Science & Technology, DOI: 

10.1021/acs.est.8b04683. 

 



56 

 

3.1 Abstract 

Removal of excess nitrate is critical to balance the nitrogen cycle in aquatic systems. 

This study investigated a novel denitrification process by tailoring photochemistry of 

nitrate with formate. Under UV light irradiation, short-lived radicals (i.e., HO·, NO2· and 

CO3·
-) generated from nitrate photolysis partially oxidized formate to highly reductive 

formate radical (CO2·
-). CO2·

- further reduced nitrogen intermediates generated during 

photochemical denitrification (mainly NO·, HNO, and N2O) to gas-phase nitrogen (i.e., 

N2O and N2). The degradation kinetics of total dissolved nitrogen was mainly controlled 

by the photolysis rates of nitrate and nitrite. The distribution of final products was 

controlled by the reaction between CO2·
- and N2O. To achieve a simultaneous and 

complete removal of dissolved nitrogen (i.e., nitrate, nitrite, and ammonia) and organic 

carbon, the formate-to-nitrate stoichiometry was determined as 3.1 ± 0.2 at neutral pH in 

deionized water. Solution pH impacted the removal rates of nitrate and nitrite, but not that 

of total dissolved nitrogen or formate. The presence of dissolved organic matter at levels 

similar to groundwater had a negligible impact on the photochemical denitrification 

process. A high denitrification efficiency was also achieved in a synthetic groundwater 

matrix. Outcome from this study provides a potential denitrification technology for 

decentralized water treatment and reuse facilities to abate nitrate in local water resources. 
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3.2 Introduction 

Managing the global nitrogen cycle is one grand challenge in the 21st century identified 

by the U.S. National Academy of Engineering.1 Extensive utilization of nitrogen fertilizers 

elevates nitrate (NO3
-) levels in natural waters, causing eutrophication  and posing great 

public health risks.2-4 U.S. EPA established a maximum contaminant level (MCL) of nitrate 

in drinking water at 10 mg-N/L. Approximately 95% of public water systems that violate 

nitrate MCL use groundwater as the drinking water source.4 Nitrate concentrations in 

national groundwater and drinking wells increased across the United States from 1988 to 

2012, indicating a persistent nitrate contamination issue in groundwater.5, 6   

Ion exchange is commonly used to remove nitrate from groundwater, however, resin 

regeneration produces concentrated brine waste that requires costly disposal. Reductive 

transformation nitrate to nitrogen gas (N2), also known as denitrification, is another 

approach to remove nitrate from groundwater. For example, biological denitrification, 

catalytic hydrogenation, photocatalytic and electrochemical reduction can convert nitrate 

to gas-phase nitrogen.7-12 Biological processes rely on specific enzymes in microbes to 

facilitate sequential electron-transfer.13 Catalytic hydrogenation, photocatalytic and 

electrochemical reduction require active sites on catalysts to effectively bind and 

selectively transform nitrate to gas-phase nitrogen.10-12  Although functional, these 

technologies have not been widely used in drinking water treatment because of high 

operational complexity, additional handling for biomass and dissolve organics, inadequate 

selectivity toward nitrogen gas, strong inhibition effects from competitive species, and 

mass-transfer limitation from bulk to the electrode surface.14-16  
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Photochemical denitrification provides a promising alternative for nitrate removal. 

The unique photochemistry of nitrate – formation of short-lived reactive radicals upon UV 

irradiation – can be harnessed to drive homogeneous denitrification17, 18. However, prior 

studies on the photochemistry of nitrate largely emphasized on its photosensitizing role in 

the degradation of organic contaminants.19, 20 Recent efforts on denitrification mainly focus 

on the design of new catalysts processing unique catalytic properties or mimicking natural 

enzymatic processes.21-23 In contrast, homogeneous denitrification process based on the 

photochemistry of nitrate has not been explored.  Furthermore, direct photolysis of nitrate 

generates more toxic nitrite as the end product, making it infeasible as a standalone 

treatment option17, 18 Therefore, additional reducing reagents that can be in-situ generated 

during nitrate photolysis  are desired to convert nitrate to N2.  

Formate radical (CO2·
-) can be a promising reducing reagent. It is highly reductive 

(E
o(CO2 CO2

.-⁄ ) = -1.9 V)  and thermodynamically feasible to convert nitrate to N2 

( Eo(NO3
-

N2⁄ ) = 1.24 V ).24 Prior studies have applied CO2·
- to reductive removal of 

chlorinated chemicals and toxic heavy metals.25, 26 CO2·
- can be generated via formate 

reacting with oxidative radicals (e.g., HO·) that are intermediates of nitrate photolysis. In 

addition, the formation of CO2·
- and its potential role in contaminant destruction have been 

reported in heterogeneous photocatalysis, where formate was used as a hole scavenger.27 

Despite that, the feasibility and mechanism of utilizing CO2·
- for homogeneous 

denitrification induced by nitrate photolysis remain largely unknown.15, 27 Furthermore, 

there lacks a mechanistic understanding of photochemical denitrification processes and 
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quantitative determination of major reaction pathways because of the complexity of 

denitrification processes. 

In this study, we aimed to develop a CO2·
--induced denitrification process utilizing the 

photochemistry of nitrate. The key is to harness transiently in-situ produced radicals (e.g., 

HO·, NO2·, and CO3·
-) from nitrate photolysis to partially oxidize formate to highly 

reductive CO2·
-. A new kinetic model with principal component analysis was established 

to interpret the denitrification mechanism. Furthermore, we determined the formate-to-

nitrate stoichiometry at which a complete removal of both dissolved nitrogen and organic 

carbon was achieved simultaneously. The impact of solution pH and dissolved organic 

matter on photochemical denitrification was investigated. The applicability of this new 

denitrification process was evaluated with the synthetic groundwater.  

3.3 Materials and Methods 

3.3.1 Photochemical experiments and sample analysis 

Batch experiments of photochemical denitrification were performed in 10-mL quartz 

tubes rotating around a 450-W medium pressure UV immersion lamp (Ace Glass, Inc.). 

The light intensity of the lamp is 42 mW/cm2 measured by thermopile (Newport 818P-010-

12). Its spectrum with wavelengths ranging between 200 and 850 nm measured by charge-

coupled device (Avantes AvaSpec-EDU) was provided in Figure S3.1 of Supporting 

Information (SI) section. To start an experiment, solutions containing 2 mM nitrate and 0-

20 mM formate were transferred to quartz tubes followed by UV exposure. Suwannee 

River natural organic matter (SRNOM) as dissolve organic matter between 0 and 72 mg/L 
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was also added to the solution. The solution pH was controlled at a targeted level between 

2 and 11 using 20 mM phosphate buffer. Synthetic groundwater was used in some 

experiments (chemical matrix listed in Table S3.1 of Appendix B).  

At pre-determined time intervals, one sacrificial quartz tube was taken out of the UV 

reactor for chemical analysis. Concentrations of nitrate, nitrite and formate were analyzed 

by ion chromatography (DX-120, Thermo Fisher Scientific) with an anion column (Dionex 

Ion Pac AS22) and a conductivity detector. The eluent was 4.5 mM Na2CO3 and 1.4 mM 

NaHCO3, and the flow rate was set at 0.86 mL/min. Ammonia was analyzed by a UV/vis 

spectrophotometer (Horiba scientific, Inc.) using phenate method.28 Total organic carbon 

and dissolved nitrogen were analyzed by a TOC analyzer with a total nitrogen module 

(Aurora 1030C).  

To determine the composition of nitrogen products in the gas phase during the 

photochemical denitrification, 40 mL of reaction solution containing nitrate (2.0 mM), 

formate (6.1 mM), and phosphate buffer (20 mM, pH = 7) was irradiated in a homemade 

gas-tight cylindrical reactor with headspace pre-vacuumed and filled with helium gas. Gas 

samples taken from the headspace of the reactor were analyzed by gas chromatography 

(GC). N2 gas was analyzed using GC with packed column (Molecular Sieve 13X, 2.1 mm 

× 6 feet), thermal conductivity detector (operation temperature: 110 oC), and helium as the 

carrier gas. Details on gas-phase nitrogen analysis were provided in Text S3.1 (Appendix 

B). 

Furthermore, to quantify the generation of short-lived radicals during the 

photochemical reaction, a solution containing nitrate (100 mM), formate (300 mM), 5,5-
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dimethyl-1-pyrroline N-oxide (DMPO, 100 mM), and phosphate buffer (200 mM, pH=7) 

was irradiated by medium-pressure UV lamp. Control experiments were carried out in the 

absence of formate or both nitrate and formate, respectively. Samples taken at 20 minutes 

of irradiation were transferred to quartz vials for electron paramagnetic resonance (EPR) 

analysis using X-Band EPR Spectrometer (Bruker EMX spectrometer, Germany). Typical 

instrumental conditions were as follows: center field: 3325 G; sweep width: 1000 G; 

microwave power: 20 mW; microwave frequency: 9.33 GHZ; receiver gain: 7.1×103; 

modulation amplitude: 2.0 G; modulation frequency: 100 kHZ; time constant: 10.24 ms; 

sweep time: 20.97 ms. 

3.3.2 Kinetic modeling and principal component analysis 

To simulate photochemical denitrification process, kinetic modeling with uncertainty 

analysis was performed on a total of 139 reactions using Kintecus V6.01 program.29 

Uncertainty analyses were performed by introducing 20% relative standard deviation to the 

fitted rate constants. 95% confidence interval was specified to calculate confidence band. 

Time profiles of average concentrations of nitrogen species and formate with 95% 

confidence intervals were generated using the kinetic model. To determine the major 

reactions that controlled the reaction kinetics and product distribution, principal component 

analyses were performed with Kintecus V6.01 and Atropos V1.00 programs.29, 30 

Normalized sensitivity coefficients (NSC) of each reaction in the kinetic model at 

predetermined time intervals were calculated by Kintecus program.31 Subsequently, 

principal component analyses were conducted by Atropos program through eigenvalue-

eigenvector analysis of the matrix composed of NSCs of each reaction at all time 
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intervals.29, 30 The reactions with significant entries in the eigenvector (i.e., principal 

component) that has the largest eigenvalues are the most important. Entries with absolute 

values in the eigenvector smaller than 0.01 are not reported. Details on kinetic modeling 

and principal component analyses were provided in Texts S3.2-S3.3 of SI.  

3.4 Results and Discussion 

3.4.1Photochemical denitrification in the presence of formate 

Photochemical denitrification of nitrate was investigated in the presence of formate. 

The optimal formate-to-nitrate molar ratio was determined as 3.1 at which a nearly 

complete removal of dissolved nitrogen and formate was achieved at pH 7 after 180 

minutes of UV irradiation (Figure 3.1). As nitrate was removed, nitrite was initially 

generated but subsequently decayed to a negligible level (Figure 3.1). Ammonia was not 

observed throughout the reaction. The removal of total dissolved nitrogen indicated the 

conversion of nitrate to gas-phase nitrogen. A control experiment conducted in the absence 

of formate showed that nitrate was only partially converted to nitrite with no change in 

total dissolved nitrogen (Figure S3.2). Because denitrification was not observed in the 

control, it indicated the importance of formate in driving photochemical denitrification. 

When the formate-to-nitrate molar ratio was less than 3.1 (i.e., 1.1 and 1.7), nitrate was 

partially reduced to nitrite and less than 20% of dissolved nitrogen was removed (Figure 

S3.3A and S3.3B). As the ratio increased beyond 3.1 (i.e., 5.8 and 11.3), nitrate was 

completed removed, but excess formate remained in the system (Figure S3.3C and S3.3D). 

Therefore, the optimal formate-to-nitrate molar ratio was 3.1 for photochemical 

denitrification process in deionized water at neutral pH. 
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Figure 3.1 Photochemical denitrification in the presence of formate. [Nitrate] = 2.0 mM, 

[Formate]= 6.2 mM, and pH = 7 with 20 mM phosphate buffer. Makers represent the data 

from experiments; Lines with shaded bands represent the predicted time profiles of average 

3.4.2 Mechanism of photochemical denitrification 

To understand the mechanism of photochemical denitrification in the presence of 

formate, a comprehensive kinetic model that includes all possible reactions was established 

to simulate and quantify the denitrification process. The complete list of reactions in the 

model is provided in Table S3.2. The model prediction with 95% confidence intervals well 

fits the experimental data at different formate-to-nitrate molar ratios (Figure 3.1 and 

Figures S3.2-S3.3). Following that, principal component analyses were conducted and 18 

major reactions that controlled the denitrification process at an optimal formate-to-nitrate 

molar ratio (i.e., 3.1) at pH 7 were identified (Table 3.1). The analyses showed that all 

major reactions had significant entries in the eigenvectors (i.e., principal components) with 

the largest four eigenvalues (Table 3.1), which indicated that they were the major reaction 

pathways in the denitrification process. For example, nitrate photolysis is important in 
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denitrification process because it generates reactive radical species and initializes 

subsequent reactions. Photolysis reactions of nitrate (i.e., R1 and R2) have much more 

significant entries in the eigenvectors (e.g., 0.64 and -0.73) than the threshold value (i.e., 

0.01), indicating that these two reactions are very important.  

Based on the major reactions identified from the model (Table 3.1), the mechanism of 

photochemical denitrification at a formate-to-nitrate molar ratio of 3.1 and pH 7 was 

illustrated (Scheme 3.1). Nitrate has a strong π→π* absorption band peaked at 200 nm and 

a weak n→π* absorption band peaked at 302 nm (Figure S3.1 in Appendix B).18 Under the 

irradiation of polychromatic light, nitrate dissociated into NO2· and HO· (R1 in Scheme 

3.1; all reactions henceforth refer to Table 3.1) or isomerized into peroxynitrite (ONOO-)  

(R2). ONOO- reacted with dissolved CO2 from air and formate oxidation (R3). The formed 

ONOOCO2
- subsequently decomposed into NO3

- and CO2 (R4), or NO2· and CO3
·- (R5). 

The presence of formate converted CO3
·-, HO· and NO2· to CO2·

- (R6-R8). Once formed, 

CO2·
- underwent self-recombination (R9) or reacted with dissolved oxygen to generate O2·

- 

(R10). As an intermediate, NO2
- was mainly generated from the reaction between NO2· 

and HCOO- (R8) and subsequently photolyzed to NO· and HO· (R11). In the presence of 

CO2·
-, NO· was eventually reduced to HNO through a three-step reaction pathway (R12-

14). The formed HNO either self-combined into N2O (R15) or reduced to H2NO· by CO2·
- 

(R16). Both H2NO· and N2O served as the source of N2 by self-recombination (R17) and 

CO2·
--induced reduction (R18), respectively. 
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Table 3.1 Major reactions in photochemical denitrification process. [Nitrate] = 2.0 mM, 

[Formate] = 6.2 mM, and pH = 7 with 20 mM phosphate buffer. Entries in the eigenvector 

with absolute value smaller than 0.01 are not shown. 

No. Reactions Rate constants References 

Principle components 

1 2 3 4 

Eigenvalue 

10845 5090 2123 1675 

Eigenvector 

1 𝑁𝑂3
−  
ℎ𝜈
→ 𝑂𝑁𝑂𝑂−     4.6 × 10-4 s-1 This study 0.64 0.33 -0.64 -0.25 

2 𝑁𝑂3
−  
ℎ𝜈
→ 𝑁𝑂2

∙  + 𝑂∙−    (𝑂∙− + 𝐻+  → 𝑂𝐻 
. ) 1.3 × 10-4 s-1 This study -0.73 -0.26 0.30 0.03 

3 𝑂𝑁𝑂𝑂− +  𝐶𝑂2  → 𝑂𝑁𝑂𝑂𝐶𝑂2
− 3.0 × 104 M-1 s-1 48 - -0.16 -0.51 -0.41 

4 𝑂𝑁𝑂𝑂𝐶𝑂2
−  → 𝑁𝑂3

− +  𝐶𝑂2 6.7 × 105 s-1 49 -0.75 0.36 0.02 0.06 

5 𝑂𝑁𝑂𝑂𝐶𝑂2
−  → 𝑁𝑂2

∙ +  𝐶𝑂3
∙− 3.3 × 105 s-1 49 0.65 0.48 -0.19 -0.10 

6 𝐶𝑂3
∙−  +  𝐻𝐶𝑂𝑂−   →  𝐶𝑂2

∙− +  𝐻𝐶𝑂3
− 1.1 × 105 M-1 s-1 50 -0.05 - -0.09 0.03 

7 𝑂𝐻 
. + 𝐻𝐶𝑂𝑂− →  𝐶𝑂2

∙− + 𝐻2𝑂 3.2 × 109 M-1 s-1 42 0.12 0.11 0.05 -0.12 

8 𝑁𝑂2
∙ +𝐻𝐶𝑂𝑂−  →  𝑁𝑂2

− +  𝐶𝑂2
∙− + 𝐻+  5.0 × 105 M-1 s-1 This study 0.05 -0.11 -0.12 -0.13 

9 𝐶𝑂2
∙− + 𝐶𝑂2

∙−  →  𝐶2𝑂4
−  6.5 × 108 M-1 s-1 51 -0.29 0.62 -0.15 -0.27 

10 𝐶𝑂2
∙− + 𝑂2  →  𝐶𝑂2  +  𝑂2

∙− 2.4 × 109 M-1 s-1 52 0.07 0.06 0.20 -0.26 

11 𝑁𝑂2
−  
ℎ𝜈
→ 𝑁𝑂∙  + 𝑂∙−     (𝑂∙− + 𝐻+  → 𝑂𝐻 

. ) 7.9× 10-4 s-1 This study 0.14 0.24 0.08 0.71 

12 𝑁𝑂∙ +   𝐶𝑂2
∙− →  𝑁𝑂𝐶𝑂2

−  2.9 × 109 M-1 s-1 53 -0.15 -0.41 0.25 0.02 

13 𝑁𝑂∙ +   𝑁𝑂𝐶𝑂2
− → 𝑁2𝑂2

− +  𝐶𝑂2   6.8 × 106 M-1 s-1 53 -0.04 -0.02 - - 

14 𝑁2𝑂2
−  →  𝑁𝑂∙ +  𝑁𝑂− (𝑁𝑂− + 𝐻+ →  𝐻𝑁𝑂) 6.6 × 104 s-1 54 -0.09 -0.07 0.15 0.01 

15 𝐻𝑁𝑂 +  𝐻𝑁𝑂 → 𝑁2𝑂 + 𝐻2𝑂 8.0 × 106 M-1 s-1 54 0.03 -0.07 0.04 0.08 

16 𝐻𝑁𝑂 +  𝐶𝑂2
∙− + 𝐻2𝑂 →  𝐻2𝑁𝑂

∙  +  𝑂𝐻− +   𝐶𝑂2 1.3 × 107 M-1 s-1 55 -0.08 0.14 -0.07 0.15 

17 𝐻2𝑁𝑂
∙ + 𝐻2𝑁𝑂

∙  →  𝑁2  +  2𝐻2𝑂 2.8 × 108 M-1 s-1 55 0.09 0.19 0.15 -0.16 

18 𝑁2𝑂 +  𝐶𝑂2
∙− + 𝐻2𝑂 →  𝑁2 + 𝑂𝐻 

∙ + 𝑂𝐻− +  𝐶𝑂2  1.6 × 103 M-1 s-1 56 0.01 - 0.02 0.02 
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Scheme 3.1 Major reaction pathways in photochemical denitrification process. [Nitrate] = 2.0 mM, [Formate] = 6.2 mM, and 

pH = 7 with 20 mM phosphate buffer. All referred reactions were listed in Table 3.1. 
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The addition of formate in the photochemical system is critical to denitrification. 

Formate prevented the re-oxidation NO2· to nitrate by scavenging oxidative radicals (e.g., 

HO· and CO3·
-). In addition, the reaction between NO2· and HCOO- (R8) was critical to 

the denitrification process but has not been reported previously. Vibronically-excited NO2· 

generated during nitrate photolysis abstracted hydrogen from HCOO- to generate CO2·
-.32, 

33,34 Model-predicted rate constant between NO2· and formate (R8) is 5.0×105 M-1 s-1. 

Therefore, the addition of formate during nitrate photolysis converted NO2· to NO2
- and 

generated reductive CO2·
- for subsequent denitrification. 

 

Figure 3.2 Electron paramagnetic spectra of DMPO-radical adducts formed after 20 

minutes of irradiation with medium-pressure UV lamp. [Nitrate] = 100 mM, [Formate] = 

300 mM, [DMPO]= 100 mM, and pH = 7 with 200 mM phosphate buffer. 

The formation of CO2·
- in the photochemical system was confirmed by EPR using 5,5-

dimethyl-1-pyrroline N-oxide (DMPO) as the trapping reagent (Figure 3.2). EPR spectrum 

of nitrate photolysis in the presence of formate showed six equal-height spectral lines with 
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g value of 2.0054 and hyperfine splitting constants aN=15.7 G  and aβ-H=19.0 G . The 

spectral characteristic was consistent with that of DMPO-CO2·
- adduct (Figure 3.2).35 As 

a control, nitrate photolysis in the absence of formate generated a quartet EPR spectrum 

(g=2.0051 and aN=aβ-H=15.0 G) with peak intensity ratios of 1:2:2:1, which was attributed 

to DMPO-HO· adduct (Figure 3.2).35 EPR spectrum of DMPO alone showed no 

appreciable signal (Figure 3.2). The contrasting EPR spectra confirmed the formation of 

CO2·
- during photolysis of nitrate in the presence of formate.  

 

Figure 3.3 Model-predicted cumulative contribution of relevant species to: (A) the 

formation of CO2·
-; and (B) the consumption of CO2·

-. [Nitrate] = 2.0 mM, [Formate] = 

6.2 mM, and pH = 7 with 20 mM phosphate buffer. 
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The respective contribution of HO·, NO2· and CO3·
- to the yield of CO2·

- depends on 

the steady-state concentration of each radical species and its respective rate constant with 

formate. Model-predicted concentrations of NO2· and CO3·
- were four orders of magnitude 

higher than that of HO· (10-10 vs. 10-14 M) (Figure S3.4), mainly because NO2· and CO3·
- 

were less reactive with HCOO- than HO· (105 vs. 109 M-1s-1). Calculation based on kinetic 

modeling showed that NO2· contributed most to CO2·
- formation (49%) followed by HO· 

(39%) and CO3·
- (12%), i.e., R8, R7, and R6 in Scheme 3.1, respectively (Figure 3.3A and 

Text S3.4).  

The contribution of CO2·
- to denitrification mainly resulted from its reactions with 

NO· (R12, Scheme 3.1). Kinetic modeling showed that NO· accounted for 42% of 

cumulative consumption of CO2·
- and served as the major sink of CO2·

- (Figure 3.3B). 

Besides that, dissolved oxygen and self-recombination were two additional sinks for CO2·
-

. In the first five minutes, 99% of CO2·
- was scavenged by O2 (Figure 3.3B and Text S3.4), 

because O2 is present in air-saturated solution (0.25 mM) and it has a high reactivity with 

CO2·
- (2.4×109 M-1 s-1, Table 3.1). As O2 was depleted, the concentration of CO2·

- 

increased rapidly from 10-12 to 10-8 M (Figure S3.5).  As a result, self-scavenging became 

prominent for CO2·
- (R9, Scheme 3.1), which accounted for ca. 30% of integrated 

consumption of CO2·
- (Figure 3.3B). HNO was an important intermediate associated with 

final product distribution (i.e., N2O and N2). Calculation based on the kinetic modeling 

(Figure S3.6) showed that 83% of HNO self-combined into N2O (R15, Scheme 3.1) and 

the remaining 17% was reduced to H2NO· by CO2·
- (R16). N2O was the main product of 

HNO. Despite that the self-recombination of H2NO· to N2 was fast (R17), the subsequent 
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reaction between CO2·
- and N2O was kinetically unfavorable (1600 M-1s-1, R18), which 

limited the overall formation of N2. Product analyses by gas chromatography showed that 

N2 gas accounted for 30% of gaseous products (Figure S3.7). N2O gas was predicted as 

another major product by kinetic modeling (Figure S3.8). It accounted for the remaining 

70% of gas-phase nitrogen based on mass balance.  

3.4.3 Denitrification stoichiometry  

Photochemical denitrification is a multi-step electron transfer process. Experimental 

data showed that the formate-to-nitrate molar ratio affects the availability of electrons for 

denitrification and consequently the final product distribution (Table 3.2). In the absence 

of formate, nitrate only photolyzed into nitrite (Table 3.2), because transient species 

generated during nitrate photolysis (e.g., HO·, ONOO-, NO2·, NO·, N2O4, and N2O3) 

underwent simultaneous oxidation, hydrolysis and combination reactions that prohibited 

the transformation of nitrate into gas-phase products.17 As formate-to-nitrate molar ratio 

increased, additional electrons from formate converted oxidative radicals (e.g., HO· and 

NO2·) to CO2·
-, promoted the reduction of nitrate, and inhibited the accumulation of nitrite 

(Table 3.2). High formate-to-nitrate molar ratio favored denitrification but increased 

residual organics in the system (Table 3.2). The stoichiometry between formate and nitrate 

to achieve a complete removal of dissolved nitrogen and organic carbon was determined 

as 3.1 ± 0.2, which was consistent with the model prediction (3.2 ± 0.1, Table 3.2). Based 

on the observed product distribution of gas-phase nitrogen (70% of N2O and 30% of N2) 

and electron-transfer numbers with respect to nitrate, the theoretical stoichiometry of 

formate to nitrate was calculated as 2.2 (Text S3.5). The actual formate-use efficiency 
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during denitrification process was determined as 74%, based on the ratio of theoretical to 

measured stoichiometry. The lower-than-ideal stoichiometry mainly resulted from the 

scavenging of CO2·
- by itself (R9, Scheme 3.1) and dissolved O2 (R10, Scheme 3.1). 

Table 3.2 Impact of formate-to-nitrate molar ratio on denitrification and reaction 

stoichiometry between formate and nitrate in deionized water at neutral pH. 

[Formate]/ 

[Nitrate] 

Nitrate 

Removal 

(%) 

Nitrite 

Formation 

(%) 

Dissolved 

Nitrogen 

Removal (%) 

Formate 

Consumption 

(%) 

Experimental 

Δ[Formate]/ 

Δ[Nitrate ] 

Modeled 

Δ[Formate]/ 

Δ[Nitrate ] 

0 53.6 52.0 0 - - - 

1.1 54.9 52.6 0 100 - - 

1.7 69.6 51.8 17.4 100 - - 

3.1 97.9 0.53 97.1 93.5 3.1 3.1 

5.8 100 0 99.0 50.9 3.0 3.2 

11.3 100 0 99.6 29.2 3.3 3.2 

Average Stoichiometry of Formate to Nitrate 3.1 ± 0.2 3.2 ± 0.1 

 

3.4.4 Effects of solution pH 

Photochemical denitrification was closely associated with the speciation of nitrogen 

intermediates (e.g., ONOO- and NO2
-) and other species (e.g., CO2(aq) and HCOO-). 

Solution pH impacts their speciation (ONOOH/ONOO-, pK=6.5-6.8;18 HNO2/NO2
-, 

pK=3.3;36 CO2/HCO3
-/CO3

2-, pK1= 6.3 and pK2=10.3; HCOOH/HCOO-, pK=3.8.37), as 

well as their molar extinction coefficients, quantum yields and reactivities. The data 

showed that pH moderately affected the removal of nitrate and nitrite, but insignificantly 

affected the removal of dissolved nitrogen and formate (Figure 3.4). Nitrate removal was 

slightly enhanced at pH 11 in comparison with that at pH 2 and 7, respectively (Figure 

3.4A). The initial accumulation of nitrite was largely avoided at pH 2 compared to other 

pHs (Figure 3.4B). The formation of ammonia was negligible regardless of pHs (data not 

shown). Combining effects of nitrate and nitrite slightly enhanced the removal of dissolved 
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nitrogen at pH 2 and 11, compared with that at pH 7 (Figure 3.4C), indicating that the 

solution pH has no significant impact on photochemical denitrification. 

 

Figure 3.4 Impact of pH on photochemical denitrification in the presence formate: (A) 

Nitrate removal; (B) Total nitrite evolution; (C) Dissolved nitrogen removal; (D) Total 

formate consumption. [Nitrate] = 2.0 mM, [Formate] = 6.2 mM, and pH = 2-11 with 20 

mM phosphate buffer. Total nitrite = nitrous acid + nitrite; Total formate = formic acid + 

formate.     

Model prediction of photochemical denitrification process at different pHs well 

matched with the experimental observations (Figure 3.4). The enhanced nitrate removal at 

alkaline pH was associated with the speciation of inorganic carbon that was generated from 

formate oxidation. At pH 11, OH- catalyzed the hydration of CO2(aq) into HCO3
-, which 

suppressed the formation of NO3
- from ONOO- (R3 and R4, Scheme 3.1) and subsequently 

B A 

C D 
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enhanced the removal of nitrate. Model-predicted concentration of CO2 (aq) (ca. 10-8 M) at 

pH 11 was much lower than that at pH 2 and 7 (ca. 10-5-10-3 M).  

The pH-induced drastic difference in nitrite evolution was associated with its 

speciation. At pH 2, nitrite became protonated to nitrous acid (i.e., HNO2). HNO2 has a 

larger molar extinction coefficient and higher photolysis quantum yield than NO2
-.38 

Model-predicted photolysis of HNO2 at pH 2 (2.5×10-3 s-1, R66, Table S3.2) was 3 times 

faster than that of NO2
- at pH 7 (7.9×10-4 s-1, R49, Table S3.2). Fast photolysis of HNO2 

prevented its build-up at pH 2. In contrast, at pH 11, photolysis of nitrite slowed down in 

comparison to that at pH 7. This is likely because of light attenuation by the accumulated 

ONOO- that has a strong UV absorption between 250 and 400 nm (e.g., 

ε(ONOO-)302nm=1670 M
-1cm-1).39  Model-predicted concentration of ONOO- at pH 11 (ca. 

10-6 M) was two orders of magnitude higher than that at pH 7 (ca.10-8 M). Consequently, 

the predicted photolysis rate of NO2
- at pH 11 (3.9×10-4 s-1, R49, Table S3.2) was 2 times 

smaller than that at pH 7, which resulted in more initial accumulation of nitrite at pH 11.  

3.4.5 Effects of dissolved organic matters 

Dissolved organic matter (DOM) is commonly present in natural waters. It can absorb 

light, produce reactive intermediates (e.g., 3DOM*, 1O2, O2·
-, eaq

-, etc.), scavenge radical 

species (e.g., ·OH), and potentially impact the photochemical denitrification process.40, 41 

SRNOM was used as the model compound to investigate the impact of DOM. At a low 

DOM concentration (i.e., 5 mg-C/L) that simulates its level in groundwater, denitrification 

efficiency was comparable to that in the absence of DOM (Figure 3.5A). At high DOM 
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concentrations (i.e., 24 and 72 mg-C/L) that simulated its levels in eutrophic surface water 

and wastewater, denitrification efficiency was partially suppressed (Figure 3.5A). The 

decay of nitrate was also inhibited, indicating that reactive species generated from DOM 

made insignificant contribution to nitrate removal. Despite that, 68% and 43% of total 

dissolved nitrogen was removed at DOM concentrations of 24 and 72 mg-C/L, 

respectively. In addition, DOM exhibited a similar impact on formate removal (Figure 

3.5B).  

DOM impacted the denitrification process mainly because of its light-shading and 

electron-donating effects. To simulate the impact of DOM on denitrification process, light-

shading and ·OH-scavenging effects of DOM were considered in the kinetic model. Other 

unknown effects of DOM that could not be quantitively considered in the model were 

assessed by comparing the difference between model predication and experimental data. 

High concentrations of DOM shielded light from nitrate and nitrite.  For instance, in the 

range of 200-240 nm where nitrate has strong absorption, 72 mg-C/L of DOM absorbed 

22% to 100% of total irradiance at the initial stage (Figure S3.9). The light-shading effect 

of DOM also suppressed the decay of nitrate and increased the accumulation of nitrite when 

the DOM levels reached 24 and 72 mg-C/L (Figure S3.10 and S3.11). With photolysis rates 

of nitrate and nitrite optimized in the model to account for light shading effect of DOM, 

the model well predicted the removal of total dissolved nitrogen (Figure 3.5A). Kinetic 

modeling showed that 72 mg-C/L of DOM decreased the photolysis rates of nitrate and 

nitrite by 55% and 90%, respectively, compared with those in the absence of DOM.  
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Figure 3.5 Impact of dissolved organic matter (DOM) on photochemical denitrification in 

the presence formate: (A) Dissolved nitrogen removal; (B) Formate consumption; [Nitrate] 

= 2.0 mM, [Formate] = 6.2 mM, [DOM] = 0-72 mg-C/L, and pH = 7 with 20 mM phosphate 

buffer. 

The scavenging effect of DOM on ·OH was included in the model but the effect was 

insignificant, because DOM reacted with ·OH much more slowly than it with formate 

(kSRNOM-HO·= 1.4 - 4.5×108 M-1s-1 vs. kHCOO
-
-HO·= 3.2×109 M-1s-1).41, 42 Additional effect of 

DOM were indicated by the over-predicted decay of formate at high DOM concentrations 

by the model (i.e., 72 mg-C/L, Figure 3.5B). The deviation indicated that additional 
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electron-releasing capacity from DOM benefited the denitrification process. For instance, 

electron-rich moieties in DOM and its degradation products could serve as electron donors 

for denitrification process, which reduced the overall consumption of formate.43  

3.5 Environmental Implications  

 

Figure 3.6 Photochemical denitrification in the synthetic groundwater. Chemicals added 

in the synthetic groundwater: [Formate] = 6.0 mM and pH = 7 with 20 mM phosphate 

buffer. 

This study demonstrates a promising denitrification technology to transformation of 

nitrate into gas-phase nitrogen. Application potentials of this technology were further 

assessed in the synthetic groundwater chemical matrix, and the denitrification efficiency 

was comparable with that in DI water (Figure 3.6). Kinetic modeling showed that the 

model predication well fitted the experimental data and indicated that major groundwater 

constituents (e.g., Cl-, SO4
2-, HCO3

-, DOM, etc.) did not significantly interfere with 

photochemical denitrification process. The result showed that this process can be highly 

effective to treat authentic nitrate-contaminated groundwater. 
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The proposed denitrification mechanism is based on kinetic modeling, qualitative 

analyses of major radicals (i.e., HO· and CO2·
-) and quantitative analyses of the reactants 

and products. To further validate the proposed reaction pathways, quantitative analyses of 

unstable intermediates are required. The study showed that gas-phase product distribution 

of photochemical denitrification was mainly controlled by low reactivity between CO2·
- 

and N2O. Future studies can strive to minimize the formation of N2O through introducing 

hydrated electrons because of their high reactivity to transform N2O to N2 (9.1×109 M-1 s-

1).42 The kinetics of photochemical denitrification was governed by photolysis of nitrate 

and nitrite. Prior studies demonstrated that photolysis of nitrate and nitrite under the 

irradiation of polychromatic light predominantly resulted from photons less than 280 nm.44 

Based on that, effective electric energy per order of dissolved nitrogen removal was 

determined as 17 KWh/m3/order for bench-scale photochemical denitrification. Even 

though it is more energy intensive than conventional UV processes (e.g., UV/H2O2 and 

UV/O3: 0.1-1KW KWh/m3/order), the energy efficiency can be substantially improved via 

further optimization on operational and reaction parameters.45, 46 For instance, nitrate has a 

strong absorption and high photolysis quantum yield below 240 nm. Utilization of UV 

lamps with a photon flux below 240 nm can highly enhance the photon-use efficiency, 

accelerate the reaction kinetics, and reduce the energy consumption. Further optimization 

on reactor configuration and process capacity can significantly decrease the energy demand 

of the full-scale treatment compared with bench-scale test.45  

The proposed denitrification technology has a high adaptability to different water 

chemical conditions. The operational flexibility and simplicity enable it as fit-for-purpose 
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technology for water treatment and reuse. It can be implemented as a treatment module 

that helps urban areas treat local water resources to supplement conventional water 

supplies. In addition, it can be integrated in a decentralized water treatment unit to help 

remote communities remove nitrate from local water supplies. Prior to full implementation, 

pilot-scale test and process optimization should be performed.  

Formate has already been used in treatment process for in situ groundwater 

denitrification and TiO2-based photocatalytic denitrification.14, 27, 47 As the simplest 

carboxylate, formate can be readily mineralized into carbon dioxide. The optimal formate-

to-nitrate molar ratio should be utilized to prevent secondary contamination from formate. 

Our work shows that the optimal formate-to-nitrate ratio has little dependency on pH and 

major water constituents (e.g. DOM and inorganic constituents) at levels similar to those 

in groundwater (Table S3.3). For source waters with chemical constituents that strongly 

impact the formate-use efficiency and denitrification performance, pretreatment (e.g., 

membrane filtration) can be conducted to minimize their potential adverse effect on the 

treatment efficiency. 

3.6 Acknowledgement 

The study was supported by U.S. National Science Foundation GOALI Program 

(CBET-1611306).  We also thank the support to G.C. from the Los Angeles Urban Natural 

Resources Sustainability Science Fellowship, and the assistance from Yibo Jiang and Kun 

Li for gas-phase nitrogen analysis. 



79 

 

References 

 

1. The National Academic of Engineering (NAE) Grand Challenges for Engineering: 

http://www.engineeringchallenges.org/challenges.aspx. 

2. Kraft, B.; Tegetmeyer, H. E.; Sharma, R.; Klotz, M. G.; Ferdelman, T. G.; Hettich, R. 

L.; Geelhoed, J. S.; Strous, M., The environmental controls that govern the end product 

of bacterial nitrate respiration. Science 2014, 345 (6197), 676-679. 

3. Zhang, X.; Davidson, E. A.; Mauzerall, D. L.; Searchinger, T. D.; Dumas, P.; Shen, Y., 

Managing nitrogen for sustainable development. Nature 2015, 528 (7580), 51-59. 

4. Pennino, M. J.; Compton, J. E.; Leibowitz, S. G., Trends in Drinking Water Nitrate 

Violations Across the United States. Environ. Sci. Technol. 2017, 51 (22), 13450-13460. 

5. Lindsey, B. D.; Rupert, M. G., Methods for evaluating temporal groundwater quality 

data and results of decadal-scale changes in chloride, dissolved solids, and nitrate 

concentrations in groundwater in the United States, 1988–2010. US Geological Survey 

Scientific Investigations Report 2012, 5049 (2012), 46. 

6. Rupert, M. G., Decadal-scale changes of nitrate in ground water of the United States, 

1988–2004. Journal of Environmental Quality 2008, 37 (5_Supplement), S-240-S-248. 

7. Mohseni-Bandpi, A.; Elliott, D. J.; Zazouli, M. A., Biological nitrate removal processes 

from drinking water supply-a review. Journal of environmental health science and 

engineering 2013, 11 (1), 35. 

8. Gamble, T. N.; Betlach, M. R.; Tiedje, J. M., Numerically dominant denitrifying 

bacteria from world soils. Appl. Environ. Microbiol. 1977, 33 (4), 926-939. 

9. Mellor, R. B.; Ronnenberg, J.; Campbell, W. H.; Diekmann, S., Reduction of nitrate and 

nitrite in water by immobilized enzymes. Nature 1992, 355 (6362), 717-719. 

10. Yoshinaga, Y.; Akita, T.; Mikami, I.; Okuhara, T., Hydrogenation of nitrate in water 

to nitrogen over Pd–Cu supported on active carbon. J. Catal. 2002, 207 (1), 37-45. 

11. Zhang, F.; Jin, R.; Chen, J.; Shao, C.; Gao, W.; Li, L.; Guan, N., High photocatalytic 

activity and selectivity for nitrogen in nitrate reduction on Ag/TiO2 catalyst with fine 

silver clusters. J. Catal. 2005, 232 (2), 424-431. 

12. Li, M.; Feng, C.; Zhang, Z.; Sugiura, N., Efficient electrochemical reduction of nitrate 

to nitrogen using Ti/IrO2–Pt anode and different cathodes. Electrochim. Acta 2009, 54 

(20), 4600-4606. 

13. Sparacino-Watkins, C.; Stolz, J. F.; Basu, P., Nitrate and periplasmic nitrate reductases. 

Chem. Soc. Rev. 2014, 43 (2), 676-706. 

14. Yang, T.; Doudrick, K.; Westerhoff, P., Photocatalytic reduction of nitrate using 

titanium dioxide for regeneration of ion exchange brine. Water Res. 2013, 47 (3), 1299-

1307. 



80 

 

15. Tugaoen, H. O. N.; Garcia-Segura, S.; Hristovski, K.; Westerhoff, P., Challenges in 

photocatalytic reduction of nitrate as a water treatment technology. Sci. Total Environ. 

2017, 599, 1524-1551. 

16. Garcia-Segura, S.; Lanzarini-Lopes, M.; Hristovski, K.; Westerhoff, P., 

Electrocatalytic reduction of nitrate: Fundamentals to full-scale water treatment 

applications. Applied Catalysis B: Environmental 2018, 236, 546-568. 

17. Mack, J.; Bolton, J. R., Photochemistry of nitrite and nitrate in aqueous solution: a 

review. J. Photochem. Photobiol. A: Chem. 1999, 128 (1), 1-13. 

18. Goldstein, S.; Rabani, J., Mechanism of nitrite formation by nitrate photolysis in 

aqueous solutions: the role of peroxynitrite, nitrogen dioxide, and hydroxyl radical. J. 

Am. Chem. Soc. 2007, 129 (34), 10597-10601. 

19. Brezonik, P. L.; Fulkerson-Brekken, J., Nitrate-induced photolysis in natural waters: 

controls on concentrations of hydroxyl radical photo-intermediates by natural 

scavenging agents. Environ. Sci. Technol. 1998, 32 (19), 3004-3010. 

20. Bilski, P.; Chignell, C.; Szychlinski, J.; Borkowski, A.; Oleksy, E.; Reszka, K., 

Photooxidation of organic and inorganic substrates during UV photolysis of nitrite anion 

in aqueous solution. J. Am. Chem. Soc. 1992, 114 (2), 549-556. 

21. Ford, C. L.; Park, Y. J.; Matson, E. M.; Gordon, Z.; Fout, A. R., A bioinspired iron 

catalyst for nitrate and perchlorate reduction. Science 2016, 354 (6313), 741-743. 

22. Hamid, S.; Kumar, M. A.; Lee, W., Highly reactive and selective Sn-Pd bimetallic 

catalyst supported by nanocrystalline ZSM-5 for aqueous nitrate reduction. Applied 

Catalysis B: Environmental 2016, 187, 37-46. 

23. Zhang, Z.; Xu, Y.; Shi, W.; Wang, W.; Zhang, R.; Bao, X.; Zhang, B.; Li, L.; Cui, F., 

Electrochemical-catalytic reduction of nitrate over Pd–Cu/γAl2O3 catalyst in cathode 

chamber: Enhanced removal efficiency and N2 selectivity. Chem. Eng. J. 2016, 290, 

201-208. 

24. Koppenol, W.; Rush, J., Reduction potential of the carbon dioxide/carbon dioxide 

radical anion: a comparison with other C1 radicals. J. Phys. Chem. 1987, 91 (16), 4429-

4430. 

25. Liu, X.; Zhong, J.; Fang, L.; Wang, L.; Ye, M.; Shao, Y.; Li, J.; Zhang, T., 

Trichloroacetic acid reduction by an advanced reduction process based on carboxyl 

anion radical. Chem. Eng. J. 2016, 303, 56-63. 

26. Ren, H.; Hou, Z.; Han, X.; Zhou, R., Highly reductive radical CO2·
- deriving from a 

system with SO4·
- and formate anion: Implication for reduction of Cr (VI) from 

wastewater. Chem. Eng. J. 2017, 309, 638-645. 

 



81 

 

27. Doudrick, K.; Yang, T.; Hristovski, K.; Westerhoff, P., Photocatalytic nitrate reduction 

in water: Managing the hole scavenger and reaction by-product selectivity. Applied 

Catalysis B: Environmental 2013, 136, 40-47. 

28. Rice, E. W.; Rodger, B. B.; Andrew, D. E.; Lenore, S. C., Standard methods for 

examination of water and wastewater-22nd Edition. In American Public Health 

Association: Washington, DC, 2012. 

29. Ianni, J. C., A comparison of the Bader-Deuflhard and the Cash-Karp Runge-Kutta 

integrators for the GRI-MECH 3.0 model based on the chemical kinetics code Kintecus. 

Computational Fluid and Solid Mechanics 2003, 13681372, 2003. 

30. Ianni, James C., Atropos, V1.00, 2003, http://www.kintecus.com/atropos.htm  

31. Ianni, James C., Kintecus , Windows Version 6.01, 2017, www.kintecus.com. 

32. Li, S.; Matthews, J.; Sinha, A., Atmospheric hydroxyl radical production from 

electronically excited NO2 and H2O. Science 2008, 319 (5870), 1657-1660. 

33. Huie, R. E., The reaction kinetics of NO2. Toxicology 1994, 89 (3), 193-216. 

34. Zhao, Y.; Houk, K.; Olson, L. P., Mechanisms of peroxynitrous acid and methyl 

peroxynitrite, ROONO (R= H, Me), rearrangements: A conformation-dependent 

homolytic dissociation. The Journal of Physical Chemistry A 2004, 108 (27), 5864-5871. 

35. Villamena, F. A.; Locigno, E. J.; Rockenbauer, A.; Hadad, C. M.; Zweier, J. L., 

Theoretical and experimental studies of the spin trapping of inorganic radicals by 5, 5-

dimethyl-1-pyrroline N-oxide (DMPO). 1. Carbon dioxide radical anion. The Journal 

of Physical Chemistry A 2006, 110 (49), 13253-13258. 

36. Lide, D. R. CRC Handbook of Chemistry and Physics, 73rd ed.; CRC Press: Boca 

Raton, FL, 1999. 

37. Brown, L. S.; Lanyi, J. K., Determination of the transiently lowered pKa of the retinal 

Schiff base during the photocycle of bacteriorhodopsin. Proceedings of the National 

Academy of Sciences 1996, 93 (4), 1731-1734. 

38. Anastasio, C.; Chu, L., Photochemistry of nitrous acid (HONO) and nitrous acidium 

ion (H2ONO+) in aqueous solution and ice. Environ. Sci. Technol. 2009, 43 (4), 1108-

1114. 

39. Madsen, D.; Larsen, J.; Jensen, S. K.; Keiding, S. R.; Thøgersen, J., The primary 

photodynamics of aqueous nitrate: Formation of peroxynitrite. J. Am. Chem. Soc. 2003, 

125 (50), 15571-15576. 

40. Mckay, G.; Huang, W.; Romera-Castillo, C.; Crouch, J. E.; Rosario-Ortiz, F. L.; Jaffé, 
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4.1 Abstract  

Vanadium(V) is an emerging contaminant in the most recent EPA’s candidate 

contaminant list (CCL4). The redox chemistry of vanadium controls its occurrence in the 

aquatic environment, but the impact of vanadium(V) speciation on the redox properties 

remains largely unknown. This study utilized rotating ring-disk electrode technique to 

examine the reduction kinetics of four pH- and concentration-dependent vanadium(V) 

species in the presence and absence of phosphate. Results showed that the reduction of 

VO2
+, HxV4O12+x

(4+x)- (V4) and HVO4
2- proceeded via a one-electron transfer, while that of 

NaxHyV10O28
(6-x-y)- (V10) underwent a two-electron transfer. Koutecky-Levich and Tafel 

analyses showed that the intrinsic reduction rate constants followed the order of V10 > VO2
+ 

> V4 > HVO4
2-. Ring electrode collection efficiency indicated that the reduction product of 

V10 was stable, while those of VO2
+, HVO4

2- and V4 had short half-lives from milliseconds 

to seconds. With molar ratios of phosphate to vanadium(V) varying from 0 to 1, phosphate 

accelerated the reduction kinetics of V10 and V4, and enhanced the stability of the reduction 

products of VO2
+, V4 and HVO4

2-. This study suggests that phosphate complexation could 

enhance the reductive removal of vanadium(V) and inhibit the re-oxidation of its reduction 

product in water treatment. 
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4.2 Introduction 

Vanadium is widely present in the earth crust, with vanadium(IV) and vanadium(V) 

as the most common species in the aquatic environment.1, 2 Vanadium(V) is toxic and 

highly soluble, while vanadium(IV) is less toxic and exists in solid phases at neutral pH.3, 

4 Ingestion of vanadium(V) can lead to adverse health effects including pulmonary tumors.1 

Considering the public health risks, U.S. Environmental Protection Agency included 

vanadium in its fourth round of contaminate candidate list (CCL4), and proposed a 

minimum reporting level of 0.2 µg/L during the third Unregulated Contaminant Monitoring 

Rule (UCMR3) program.5, 6 A notification level of 15 µg/L in drinking water was 

recommended in California.1 

Geological weathering of vanadium-containing minerals (e.g., mafic and andesitic 

rock) naturally releases vanadium into groundwater under oxic and alkaline conditions.7 

Data collected in California from 1996 to 2007 showed that 18% of public drinking water 

systems had vanadium levels higher than 21 µg/L.8 Up to 220 µg/L of vanadium has been 

detected in watersheds containing vanadium-associated ores.9 The anthropogenic release 

of vanadium is mainly from the combustion of vanadium-rich fossil fuels, wastewater 

discharge from mining, steel and phosphorus chemical industry.2, 10 In addition, vanadium-

containing minerals, e.g., vanadinite Pb5(VO4)3Cl(s), was found to cumulate in the 

corrosion solids of lead-containing drinking water distribution systems, where mass 

concentrations of vanadium were several orders of magnitude higher than that in the treated 

drinking water.11,12 Destabilization of vanadium-containing corrosion solids potentially 

leaches vanadium and elevates its concentration in treated drinking water. 
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Aqueous vanadium(V) exists as monomeric and polymeric oxo-vanadate species 

depending on pH, vanadium(V) concentration and ionic strength.13 Monomeric 

vanadium(V) species (e.g., H2VO4
- and HVO4

2-) are preferentially present in oxic natural 

waters.14 Increasing vanadium concentration promotes their oligomerization into dimers 

(e.g., H2V2O7
2-), tetramers (e.g., V4O12

4-) and decamers (e.g., HV10O28
5-). Increasing 

acidity favors the formation of decamers and VO2
+ in water matrix.15, 16 Considering the 

wide occurrence and regulatory perspective, vanadium removal from drinking water 

especially reductive transformation of vanadium(V) to vanadium(IV) using chemicals, 

photocatalysts and microbes with subsequent particle separation is needed in the future.2, 3, 

17-23. 

Prior studies on vanadium(V) chemistry have mostly focused on its application in 

medical insulin mimetics, flow batteries and petroleum refining.15, 16, 24, 25 Although the 

redox behaviors of VO2
+/VO2+ and V3+/V2+ pairs at extremely acidic conditions have been 

previously examined for redox flow batteries, the experimental conditions highly deviated 

from environmentally relevant conditions.26, 27 Vanadium(V) speciation also impacted its 

reactivity in aquatic environment.22 Prior study showed that VO2
+ cation was reactive 

towards humic substances and the reduction of decavanadate by humic substances required 

its decomposition into VO2
+.22 Decavanadate was also reported to be more prone to 

reduction than metavanadate (monomer, dimer, tetramer, etc.), and its cage-like structure 

remained unchanged after its partial reduction.28-31 However, the structure-redox property 

relationship, underlying electron-transfer mechanism and properties of reduction products 

remained largely unknown for aquatic vanadium(V) species. In addition, complexation of 
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organic and inorganic ligands with vanadium(V) affects its redox behavior.13, 32 In 

particular, vanadium(V) forms stronger complexes with phosphate than other inorganic 

ligands.33 Phosphate was ubiquitously present in aquatic system mainly because of 

extensive utilization of phosphorous-containing fertilizers with subsequent agriculture run-

off.34 In addition, geological weathering of vanadium-bearing phosphorous mineral ores 

simultaneously leaches vanadium and phosphate into water matrixes.35, 36 Their co-

occurrence in aquatic system makes the complexation of vanadium with phosphate 

environmentally relevant. However, there lacks a fundamental understanding of phosphate 

impact on reduction kinetics of vanadium(V) species and the stability of their reduction 

products.  

Electrochemical techniques (EC) are robust means to examine the nature of redox-

active metal(loid) species and the in-situ formation of intermediate products.37-40 In 

particular, rotating ring disk electrode (RRDE) provides insightful information on the 

electron-transfer kinetics and reaction mechanism. RRDE is an advanced hydrodynamic 

EC method, in which the substrate is convectively transported to a disk electrode with a 

potential sweep, and the products generated on the disk is conveyed to the ring with a fixed 

potential (Scheme 4.1). However, prior research using RRDE technique to understand 

physical and redox properties of environment-relevant species and their transformation 

products is limited. RRDE technique revealed the generation mechanism of Pb(III) 

intermediate in Pb(II)/PbO2 system and the role of Pb(III) in Pb(II) oxidation in the 

drinking water conditions.37 Its application in electrochemical reduction of monoiodoacetic 

acid and iodoform in the presence of natural organic matter provided insight on their 
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diffusion properties and unveiled their different reduction pathway from Cl- and Br- 

containing disinfection byproducts.39 For vanadium with multiple valence states and 

complex speciation, RRDE technique can effectively characterize physical properties and 

redox behaviors of electrochemically active species, unveil their electron-transfer 

mechanism, and probe their transformation products. 

 

Scheme 4.1 Principles of vanadium(V) reduction on the disk electrode and re-oxidation of 

its reduction products on the ring electrode under rotating conditions. 
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The objective of this study was to investigate the mechanisms and kinetics of the 

reduction of pH- and concentration-dependent vanadium(V) species and characterize the 

formation of intermediate products during the reduction pathway using RRDE techniques 

combined with conventional cyclic voltammetry (CV). The impact of phosphate on the 

redox properties of vanadium(V) species was also examined for the aquatic environment 

with molar ratios of phosphate to vanadium(V) ranging from 0 to 1.  

4.3 Materials and Methods 

4.3.1 Electrochemical system 

EC experiments were carried out in a 150-mL five-port cell with a gold RRDE working 

electrode (AFE7R8AUAU), a platinum counter electrode (AFCTR5), and a Ag/AgCl 

reference electrode. The disk and ring electrode were controlled by a Pine AFCBP2 

bipotentiostat (Pine Research Instrumentation, Durham, NC). The outer diameters of disk 

and ring electrode was 4.57 and 5.38 mm, respectively, with a gap of 0.18 mm between 

them. The disk electrode surface area was 0.1642 cm2. The theoretical collection efficiency 

of intermediates by RRDE was determined as 24% based on the reduction of ferricyanide. 

The counter electrode was separated from the testing solution using a fritted glass tube. EC 

potentials was measured and quoted vs. Ag/AgCl reference electrode (+0.197 V vs. 

standard hydrogen electrode, SHE).  

4.3.2 Electrochemical measurements 

All solutions were prepared with chemicals (analytical grade) and deionized (DI) 

water (18.2 MΩ/cm). A 20-mM vanadium(V) solution prepared from NaVO3 was purged 
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with N2 gas for 30 minutes to maintain a negligible level of dissolved O2. A continuous N2 

gas flow was positioned above the solution to prevent the ingress of O2 into the solution 

during EC experiments. pH was fixed at a targeted value of 1, 4, 7 or 11 by adding HClO4 

or NaOH. The predominance diagrams of vanadium(V) (Figure 4.1 and Figure S4.1 in 

Appendix C) and vanadium(IV) (Figure S4.2) were prepared using Visual Minteq software 

based on the equilibrium reactions and constants (Text S4.1 in Appendix C). In some 

experiments, 1-20 mM of phosphate was added. EC experiments were conducted using 0.6 

M NaClO4 as the background electrolyte at 22±2 oC. Changes of pH during EC experiments 

were negligible. Prior to each experiment, the gold RRDE was polished with alumina slurry 

and subsequently rinsed with methanol, 0.5 M H2SO4 and deionized (DI) water for 30 

seconds each. The reproducibility of RRDE surface was confirmed by CV scans with the 

background electrolyte.  

In CV experiments, the disk electrode potential was scanned between -1.35 and 1.30 

V, with a scan rate ranging from 25 to 200 mV/s. In RRDE experiments, the electrode 

rotating speed varied from 400 to 2700 rpm with a constant scan rate of 50 mV/s. When 

rotating, the potential of disk electrode was scanned within a targeted range, while the ring 

electrode potential was fixed at a particular value. EC currents on both electrodes were 

recorded. The collection efficiency of the reduction products was calculated from the ratio 

of ring electrode current to disk electrode current.  
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4.4 Results and Discussion 

4.4.1 Speciation of concentration- and pH-dependent aqueous vanadium(V) 

At a fixed ionic strength (0.6 M), the speciation of vanadium(V) is both concentration- 

and pH- dependent. At low concentration of 2 µM (102 µg-V/L), only monomeric oxo-

vanadate species (VO2
+, H2VO4

2-, HVO4
2-, and VO4

3-) were present (Figure S4.1A). As 

concentration increased from 2 to 20 µM (102 to 1020 µg-V/L), a small portion of H2VO4
- 

dimerized into H2V2O7
2- in the pH range from 3 to 9 (Figure S4.1B). A further increase of 

the concentration to 0.2 and 2 mM promoted the oligomerization of monomeric species 

into dimers (V2), tetramers (V4), pentamers (V5), and decamers (V10) (Figure S4.1C and 

Figure S4.1D). Vanadium(V) at near neutral pHs existed as a mixture of H2VO4
-, V2, V4, 

V5, and V10 in equilibrium. To create a regime where only one species predominated at a 

targeted pH, we further increased vanadium(V) concentration to 20 mM, at which the 

predominant vanadium(V) species was VO2
+, V10, V4, and HVO4

2- at pH 1, 4, 7 and 11, 

respectively (Figure S4.1E).  

As pH and vanadium concentration change, monomeric vanadate V1 can undergo 

condensation reactions to form dimers V2, tetramer V4, pentamers V5 and decamers V10.
13, 

15, 28, 33 With an ionic strength of 0.6 M and total vanadium concentration of 20 mM, the 

predominant vanadium(V) species was cationic VO2
+ at pH less than 2 (Figure 4.1 and 

Figure S4.1E). As pH raised from 2 to 6, V10 species became predominant. V10 had a cage-

like molecular structure, with two vanadium atoms located in the center, four in the middle, 

and the remaining four at the edge.28 As pH increased from 6 to 9, small oligomers of V4 

species with a cyclic-structure predominated. When pH was higher than 9, V1 as HVO4
2- 
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became the major species (Figure 4.1 and Figure S4.1E). The presence of V2 and V5 

species were insignificant. Therefore, the redox behaviors of VO2
+, V10, V4 and HVO4

2- at 

pHs of 1, 4, 7 and 11 were subsequently examined using EC tools.  

 

Figure 4.1 Predominance diagram of vanadium(V) species as a function of pH. Total 

[vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, and ionic strength = 0.6 M. V10 is a 

combination of H3V10O28
3-, H2V10O28

4-, NaHV10O28
4-, Na2V10O28

4-, HV10O28
5- and 

NaV10O28
5-; V5 is V5O15

5-; V4 is a combination of V4O12
4- and HV4O13

5-; V2 is a 

combination of H2V2O7
2- and HV2O7

3-; V1 is a combination of H2VO4
-, HVO4

2- and VO4
3-. 

4.4.2 Electrochemical reduction of vanadium(V) species 

To examine the redox properties of four vanadium(V) species and their reduction 

products, CV at different scan rates was first conducted with a static gold disk electrode. 

Compared to the background electrolyte, both the cathodic reduction current from 

vanadium(V) species and the anodic oxidation current from their reduction products 

increased with the scan rates in vanadium(V)-containing solutions (Figure 4.2). A well-

defined peak was observed at 0.40, -0.53, -0.76 and -1.15 V, corresponding to the EC 

reduction of VO2
+, V10, V4 and HVO4

2-, respectively (Figure 4.2). As the solution pH 
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increased, the onset reduction potential shifted negatively from 0.65 to -0.67 V, suggesting 

that the thermodynamic feasibility to reduce vanadium(V) followed the order of VO2
+ > 

V10 > V4 > HVO4
2-. Increasing the scan rates caused negative and positive shifts of cathodic 

and anodic peaks, respectively, because faster scan rates shortened the time for electron 

transfer between vanadium species and the electrode surface. Consequently, a higher 

overpotential was required to accelerate the reaction kinetics to observe a current response, 

which caused the shift of both cathodic and anodic peaks. The reduction peak current was 

linearly correlated with the square root of the scan rate at the static disk electrode (Figure 

S4.3). This suggested that electrochemical reduction of vanadium(V) was diffusion-

controlled in the static condition.41  

As the disk electrode started to rotate with a rate from 400 to 2700 rpm, the cathodic 

current on disk electrode increased (Figure 4.3). This suggested that mass transfer 

limitation was involved in vanadium(V) EC reduction on the disk electrode. Specifically, 

disk currents corresponding to the reduction of VO2
+ started to increase at 0.60 V and 

plateaued at 0.25 V. With an increase of rotation speed, the disk current in the plateau 

region increased by 157%, and the ring electrode current exhibited a similar trend (Figure 

4.3A). For V10 species, disk and ring electrode currents gradually increased from a disk 

potential of 0.21 V and reached the maximum value at -0.54 V, followed by a drop at a 

more negative potential. An increase of rotation speed enhanced the EC current by 113% 

(Figure 4.3B). The current drop was likely due to a strong interaction between the V10 

reduction products and the gold electrode. As the electrode potential became increasingly 
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negative, fast reduction kinetics led to an accumulation of vanadium products on the 

electrode, and consequently, less electrode surface was available for electron transfer.  

 

Figure 4.2 Cyclic voltammetry of vanadium (V) species on a gold disk electrode. Total 

[vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, scan rate = 50 mV/s, 

and dashed lines represent the voltammograms of background electrolyte at 200 mV/s. 

Cyclic scan on the electrode started in the cathodic direction followed by the anodic 

direction. 

Disk electrode current of V4 reduction increased from a disk potential of -0.21 V and 

reached a limiting current at -0.74 V (Figure 4.3C). The reduction current of V4 increased 

by 17%, while the ring current remained nearly constant with varying rotation speed. For 

HVO4
2-, it exhibited a disk peak centered at -1.15 V which increased by 54% as the rotation 

speed increased (Figure 4.3D). The ultimate reduction product of HVO4
2- was VO(OH)3

- 

(Figure S4.2). At potentials more negative than -1.15V, a fast reduction of HVO4
2- could 
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accumulate adsorbed VO(OH)3
- on the electrode surface, which inhibited the further 

reduction of HVO4
2- and reduced the disk current (Figure 4.3D). Furthermore, the 

maximum disk current of V4 was more than one order of magnitude smaller than that of 

other species (Figure 4.3C), indicating that V4 was the least electrochemically active. 

 

Figure 4.3 Linear sweep voltammetry of vanadium(V) species on a rotating gold ring-disk 

electrode. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, and 

scan rate = 50 mV/s. Ring electrode potential was fixed at 1.3, 1.0, 0.8, and 0.7 V for for 

VO2
+, V10, V4 and HVO4

2-, respectively. Dashed lines represent the linear sweep 

voltammetry of background electrolyte at 50 mV/s. 

4.4.3 Reduction kinetics and electron transfer of vanadium(V) species 

The kinetics and electron-transfer mechanism of vanadium(V) reduction reactions 

were investigated based on the CV and RRDE results. The mixed kinetic-diffusion regime 
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for vanadium redox reactions on the rotating disk electrode were analyzed based on the 

Koutecky-Levich method (Equation 1):                       

                    
1

𝑖
=

1

𝑖𝐾
+

1

𝑖𝐷
=

1

𝑖𝐾
+

1

0.62𝑛𝐹𝐴(𝐷)2/3(𝜔)1/2(𝜐)−1/6𝐶0
                             (1) 

where i is the current measured on the disk electrode (A), iK represents the kinetic 

current in the absence of diffusion limitation (A), iD is the diffusion current (A), n is 

electron-transfer number of vanadium(V) reduction, F is Faradic constant (C/mol), A is the 

electrode surface area (cm2), D is the diffusion coefficient (cm2/s), ω is angular frequency 

of the rotation (s-1), υ is the kinematic viscosity (cm2/s), and C0 is the bulk concentration 

(mol/cm3). 

Koutecky-Levich plots of RRDE data showed that the reciprocal current (1/i) was 

linearly correlated with (ω)-1/2, indicating that vanadium(V) reduction was diffusion 

limited (Figure 4.4). The slope of the plots was 1/(0.62nFAD0
3/2 υ-1/6C0), and the intercept 

corresponded to the kinetic current in the absence of diffusion limitation. Electron-transfer 

number of each vanadium(V) species was calculated based on Koutecky-Levich plots and 

the correlation of reduction peak current vs. square root of scan rates from CV curves (Text 

S4.2).  

Calculation showed that the first step of EC reduction of VO2
+, V4, and HVO4

2- was 

approximately one-electron transfer process, while V10 reduction was approximately two-

electron transfer process (Table 4.1). Prior studies showed that V10 was partially reduced 

by ascorbate and Fe(II) via a two-electron transfer process and maintained its cage-like 

original structure.29, 30, 42 The EC-calculated electron-transfer number of V10 reduction was 
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smaller than two (n=1.5), because the reduction current was likely impacted by strong 

interaction between vanadium reduction products and electrode surface. This was 

supported by a decrease of reduction current at high overpotentials, i.e., the difference 

between applied potential and onset reduction potential (Figure 4.3B).  

 

Figure 4.4 Koutecky-Levich plots of vanadium(V) reduction on a rotating gold ring-disk 

electrode. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, scan 

rate = 50 mV/s, and current at different rotation speeds was taken at 0.10, -0.54, -0.74, and 

-1.15 V for VO2
+, V10, V4 and HVO4

2-, respectively. 

Based on the calculated electron-transfer number (Table 4.1) and predicted 

vanadium(IV) speciation (Figure S4.2), the EC reduction reactions of four vanadium(V) 

species are described as follows:  

              V𝑂2
+ + 𝑒− + 2𝐻+ ↔ 𝑉𝑂2+ + 𝐻2𝑂                                                            (2)    

              𝐻𝑉10
𝑉𝑂28

5− + 2𝑒− ↔ H𝑉8
𝑉𝑉2

𝐼𝑉𝑂28
7−                                                               (3)     

              𝑉4𝑂12
4− + 𝑒− + 4𝐻2𝑂 ↔ 𝑉𝑂(𝑂𝐻)3

− + 𝐻2𝑉2𝑂7
2− + 𝐻2𝑉𝑂4

− + 𝑂𝐻−          (4)  
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             𝐻𝑉𝑂4
2− + 𝑒− + 2𝐻2𝑂 ↔ 𝑉𝑂(𝑂𝐻)3

− + 2𝑂𝐻−                                            (5) 

The diffusion coefficient of vanadium(V) species was further calculated using Levich 

equation (Text S4.2), and it followed the order of V10 > VO2
+ > V4 > HVO4

2- (Table 4.1). 

This difference was associated with the limiting ionic equivalent conductivity and ionic 

charge of vanadium(V) in the solution.43  

Table 4.1 Summary of electron transfer number, intrinsic rate constants, and diffusion 

coefficients of vanadium (V) species and half-lives of their reduction products on the gold 

ring-disk electrode. 

pH 
Vanadium(V) 

Species 

Electron- 

transfer 

Number  

Diffusion 

coefficient 

(cm2/s) 

Intrinsic 

rate constant  

(cm/s) 

Half-life of 

reduction 

  products (s) 

1 VO2
+ 1.0 5.8×10-6 3.6 ×10-5 3.5 

4 V10 1.5 5.8×10-5 2.6 ×10-3 213 

7 V4 0.9 1.5×10-6 2.5 ×10-5 0.08 

11 HVO4
2- 1.1 4.7×10-7 3.1 ×10-6 1.4 

 

To gain insight into electron-transfer process involving vanadium(V) reduction at the 

gold electrode, the intrinsic rate constants (k0) were calculated based on Bulter-Volmer 

electrode kinetics. k0 represents the reduction kinetics of vanadium(V) species in the 

absence of an overpotential and indicates electron-transfer feasibility between 

vanadium(V) species and electrode. k0 is associated with the rate constant at a targeted 

overpotential (k) and charge transfer coefficient (α):41 

                               𝑘0 = 𝑘/ exp (−
𝛼𝐹𝜂

𝑅𝑇
)                                                       (6) 
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η is the overpotential applied on the electrode, R is the ideal gas constant, and T is the 

temperature. k was calculated through Koutecky-Levich plots of RRDE data at targeted 

overpotentials (Text S4.3 and Figures S4.4-S4.5). α was obtained through Tafel analysis of 

RRDE data at high rotation speeds (Text S4.3 and Figures S4.6-S4.7). α represents the 

fraction of the total energy change on the electrode that applied to lower the reduction 

barrier of vanadium(V) species.41 Calculations showed that V10 had the highest intrinsic 

rate constant, which was two orders of magnitude larger than those of VO2
+ and V4, and 

three orders of magnitude larger than that of HVO4
2- (Table 4.1).  

According to Marcus Theory, the intrinsic rate constant is associated with the 

interaction of vanadium(V) with electrode surface and the reorganization of vanadium 

molecules during the reduction reaction.41 V10 had cage-like superstructure with interactive 

vanadium atoms linked through oxygen atoms, which favored the electron transfer. This 

structure was not available in VO2
+, V4 and HVO4

2-.44 In addition, V10 underwent much 

smaller configuration change than the other three species, during the reduction process 

which also contributed to its largest intrinsic rate constants (Reaction 2-5).28, 30, 42 Prior 

study also showed that decavanadate was more active to stimulate NADH oxidation than 

metavanadate (V4 dominated) because of fast electron-transfer kinetics in cage-like 

superstructure.31 The di-oxo ligands in VO2
+ and the cyclic structure of V4 likely made 

vanadium atoms more intrinsically reducible than that in HVO4
2-

. Consequently, both 

species had larger intrinsic rate constants than HVO4
2- (Table 4.1).  
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4.4.4 Re-oxidation and stability of vanadium(IV) products 

The nature of vanadium(IV) intermediate products from the reduction of VO2
+, V10, 

V4 and HVO4
2- was further examined by their collection efficiency on the ring electrode. 

The vanadium(IV) products was convectively transported from the disk to the ring 

electrode and re-oxidized. The collection efficiency was calculated as the ratio of oxidation 

current of vanadium(IV) products on the ring electrode and reduction current of vanadium 

(V) on the disk electrode (Scheme 4.1). Results showed that the collection efficiency 

increased with the ring electrode potential until it reached a plateau, beyond which the 

oxidation of vanadium(IV) products on the ring electrode was not limited by kinetics 

(Figure 4.5). The onset ring electrode potential in response to a discernible collection 

efficiency represents the thermodynamic oxidation potential of vanadium(IV) products, 

i.e., a smaller onset ring electrode potential corresponded to a lower thermodynamic 

barrier. Based on the correlation of collection efficiency with ring electrode potential, the 

reduction product of HVO4
2- was thermodynamically more easily to be re-oxidized than 

that of V10, followed by V4 and VO2
+. 

Furthermore, the maximal collection efficiency correlated with the stability of 

vanadium(IV) intermediate products, and their half-lives were subsequently calculated 

(Text S4.4). The maximum collection efficiency of vanadium(IV) products of VO2
+, V10, 

V4 and HVO4
2- was 22.4%, 23.3%, 4.3% and 17.1%, respectively (Figure S4.8). The half-

life of their reduction products was 3.5, 213, 0.08, and 1.4 seconds, respectively (Table 

4.1). Partially reduced V10 had a half-life of minutes for re-oxidation. V4 had the most redox 

active and unstable reduction product, which quickly decayed within milliseconds. 
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Figure 4.5 Impact of ring electrode potential on the collection efficient of the intermediate 

products produced on the gold disk electrode. Total [vanadium(V)] = 20 mM, [NaClO4] = 

0.6 M, ionic strength = 0.6 M, rotation speed = 2400 rpm, and scan rate = 50 mV/s. 

4.4.5 Impact of phosphate on the reduction of vanadium(V) species 

The formation constant between vanadium(V) and phosphate is sufficiently high that 

the impact of phosphate present in water matrices on the redox properties of vanadium 

should be considered. To quantify the impact of phosphate on the reduction kinetics of 

vanadium(V) species, EC reduction rate constants of four vanadium(V) species (k) were 

calculated from the RRDE data at different phosphate concentrations (Text S4.3). The 

results showed that the presence of phosphate accelerated the reduction kinetics of V10 and 

V4, but had a minimal impact on that of VO2
+ and HVO4

2- (rate constant k in Table 4.2). 

As molar ratios of phosphate to vanadium(V) increased from 0 to 1, the EC reduction rate 

constants of V10 and V4 increased by 53% and 150%, respectively, whereas those of VO2
+ 

and HVO4
2- remained relatively constant (rate constant k in Table 4.2).  
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Table 4.2 The impact of molar ratios of phosphate to vanadium(V) ([PO4]/[V(V)]) on the kinetic parameters of vanadium(V) 

species on the rotating gold ring-disk electrode. k0: intrinsic rate constants; α: charge transfer coefficients; k: rate constants of 

VO2
+, V10, V4 and HVO4

2- at 0.45, -0.26, -0.30, and -1.10 V, respectively; [PO4] = 0, 1, 5, 10 and 20 mM, [V(V)] = 20 mM. 

[PO4]/ 

[V(V)] 

VO2
+  V10 V4 HVO4

2- 

k0 

(cm/s) 
α 

k  

(cm/s) 

k0 

(cm/s) 
α 

k  

(cm/s) 

k0 

(cm/s) 
α 

k 

 cm/s) 

k0 

 cm/s) 
α 

k 

(cm/s) 

0 3.6×10-5 0.59 3.9×10-3 2.6×10-3 0.08 1.4×10-2 2.5×10-5 0.23 9.8×10-5 3.1×10-6 0.30 4.8×10-4 

0.05 4.1×10-5 0.59 4.3×10-3 2.3×10-3 0.10 1.9×10-2 3.6×10-5 0.21 1.2×10-4 1.2×10-6 0.36 5.1×10-4 

0.25 5.2×10-5 0.58 4.8×10-3 6.9×10-4 0.16 1.9×10-2 3.4×10-5 0.18 1.0×10-4 1.1×10-6 0.36 4.8×10-4 

0.5 4.2×10-5 0.59 4.4×10-3 5.5×10-4 0.18 2.2×10-2 6.6×10-5 0.19 2.1×10-4 1.0×10-6 0.36 4.3×10-4 

1 3.5×10-5 0.60 3.7×10-3 5.6×10-4 0.18 2.2×10-2 9.8×10-5 0.18 2.8×10-4 1.6×10-6 0.33 4.8×10-4 
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To gain insight into phosphate impact on the rate constants (k) of vanadium(V) species, 

the intrinsic rate constant (k0) and charge transfer coefficient (α) were further calculated. 

Based on Bulter-Volmer electrode kinetics, k at targeted potentials is associated with k0 

and α (Equation 6). Increasing k0 and α can promote the electron transfer between 

vanadium(V) and electrode, lower the reduction barrier, and consequently accelerate the 

reduction kinetics of vanadium(V) species.41 Calculation showed that the increase of molar 

ratios of phosphate to vanadium(V)  from 0 to 1 had a negligible impact on k0 and α of 

VO2
+, and thus its reduction rate constants k was nearly unchanged (Table 4.2 and Figure 

S4.9A). On the contrary, varying molar ratios of phosphate to vanadium(V) from 0 to 1 

increased α of V10 by 125%, which was consistent with the observed enhancement in V10 

reduction kinetics at -0.26 V (Table 4.2 and Figure S4.9B). Phosphate prominently 

increased k0 of V4 by 4 times, which accounted for the enhanced reduction kinetics of V4 

at -0.30 V (Table 4.2 and Figure S4.9C). The presence of phosphate decreased k0 but 

increased α of HVO4
2-. Consequently, the overall effects of k0 and α exerted no impact on 

the reduction rate constants of HVO4
2- (Table 4.2 and Figure S4.9D).   

The observed phosphate-induced changes on reduction activities of vanadium(V) 

species were likely associated with vanadium(V)-phosphate complexation. At pH 1, H3PO4 

(predominant phosphate species, Figure S4.10) was less likely to form complex with VO2
+ 

via ligand exchange, considering its steric hindrance and reluctance to share electron with 

vanadium. Therefore, phosphate had a negligible impact on the reduction activity of VO2
+ 

(rate constant k in Table 4.2). At pH 4, VO2
+ was polymerized to decavanadate V10, and 

H3PO4 deprotonated into H2PO4
- (Figure 4.1 and Figure S4.10). Prior study reported that 
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phosphate was readily incorporated into polyvanadate ions.45 H2PO4
- likely complexed 

with the decavanadate V10 ions to form anhydrides.46 The added phosphate group in the 

structure tended to pull the electrons away from vanadium atoms, lower their electron 

density and reduction barrier, and consequently facilitate their electron transfer with 

electrode surface. Increasing molar ratios of phosphate to vanadium from 0 to 1 promoted 

phosphate complexation with V10. This led to the formation of more reducible vanadium, 

and thus increased reduction kinetics of V10 at low overpotentials (rate constant k in Table 

4.2).  

As pH further increased to 7, V4 was the main species (Figure 4.1) and in fast 

exchange with mono- and di-vanadate species at a timescale of milli-seconds.47 Previous 

study indicated that H2PO4
2- and HPO4

- promoted the decomposition of V4 to H2VO4
- and 

induced complexation of H2VO4
- to form anhydrides (H2VPO7

2- and HVPO7
3-).45 

Phosphate-induced changes on V4 made vanadium more reducible, and consequently 

accelerated the reduction kinetics of vanadium(V) as molar ratios of phosphate to vanadate 

increased from 0 to 1 (rate constant k in Table 4.2).45 Phosphate-enhanced reduction 

kinetics of V10 and V4 was consistent with prior observation that phosphate catalyzed the 

oxidation of NADH by polyvanadate in biological systems.31 A further increase of pH to 

11 induced the hydrolysis of V4 to HVO4
2-. HVO4

2- rapidly complexed with HPO4
- (the 

dominant phosphate species, Figure S4.10) to form unstable anhydride.45 The weak 

interaction of phosphate with HVO4
2- exhibited little impact on the reduction kinetics of 

HVO4
2- (rate constant k in Table 4.2). 
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Furthermore, phosphate affected the stability of vanadium(V) EC reduction products, 

i.e., vanadium(IV). As the molar ratio of phosphate to vanadium increased from 0 to 1, ring 

electrode collection efficiency increased for the reduction products of VO2
+, V4 and 

HVO4
2- but had minimal change for that of V10 (Figure S4.11). That indicated that 

phosphate likely stabilized the reduction products of VO2
+, V4, and HVO4

2- but had little 

impact on that of V10. The reduction products of VO2
+ V4, and HVO4

2- were VO2+, 

VO(OH)3
-, and VO(OH)3

-, respectively (Equations 2, 4 and 5). For V10, partially reduced 

product with the original cage-like structure (HV8
VV2

IVO28
7−) was generated (Equation 3). 

Prior study demonstrated that VO2+ unit could complex with phosphate to form vanadyl-

phosphate complexes.47 The strong interaction of VO2+ with phosphate group in adenosine 

triphosphate (ATP) inhibited the oxidation of VO2+. Phosphate also likely coordinated with 

VO2+ and VO(OH)3
- to form thermodynamically stable complexes. For partially reduced 

V10 (HV8
VV2

IVO28
7−), its intrinsic cage-like structure highly stabilized the reduced vanadium. 

The data suggested that phosphate had minimal impact on the stability of vanadium(IV) in 

partially reduced V10 (HV8
VV2

IVO28
7−). 

4.5 Environmental Implications and Broader Significance 

EC data from this study suggest that the change of vanadium(V) speciation with pH 

and the presence of phosphate in source water can significantly impact the reactivity of 

vanadium(V) during the reductive water treatment. Vanadium(V) in acidic wastewater, 

e.g., wastewater discharged during the extraction of phosphoric acid from vanadium-

enriched phosphorus ores and manufacturing of vanadium pentoxide, is expected to have 

higher reactivity than wastewater in neutral or alkaline conditions.48 In the aquatic 
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environment with molar ratios of phosphate to vanadium(V) from 0 to 1, e.g., watersheds 

with remarkably geological weathering of vanadium-bearing minerals and water bodies 

contaminated by point discharge of concentrated vanadium wastewater, phosphate can 

promote the reduction of vanadium(V), and stabilize vanadium(IV) under oxic 

environment, and consequently inhibit the inadvertently re-occurrence of vanadium(V). 

Even though the impact of bicarbonate, carbonate, sulfate and natural organic matters (e.g., 

humic acid) are not examined in this study, they can potentially affect the reduction kinetics 

and half-lives of the intermediate products due to complexation reactions. These effects 

will be examined in future work. Considering the biological effect of vanadium(V) and 

sensitive response from enzymatic activities, interactions of trace-level vanadium(V) and 

vanadium(IV) species with environment-relevant ligands can also be investigated by a 

simple and fast enzyme kinetic method in future.28   

The EC techniques unveiled the redox nature and stability of vanadium species. 

Current-potential responses on static and rotating electrode combined with classical EC 

theories allowed for the study of diffusivity, electron-transfer kinetics, and product stability 

of aquatic contaminants. Even though the concentration of vanadium(V) employed in this 

study is much higher than that in drinking water, the fundamental redox behaviors are the 

same. Furthermore, the EC techniques developed from this study have broader applications 

that can be extended to examine other toxic and redox-active contaminants, e.g., chromate, 

selenate and halogenated organics. The intrinsic kinetic and thermodynamic nature of 

electron transfer processes involving these contaminants obtained from EC tools can guide 

the design of efficient treatment units to minimize their presence in drinking water.   



108 

 

4.6 Acknowledgement 

The study was supported by U.S. National Science Foundation CAREER Program 

(CBET- 1653931) and Early-concept Grants for Exploratory Research Program (CBET-

1619915). We thank Dr. Juchen Guo at UC Riverside for suggestions on the data analysis.



109 

 

References 

 

1. Howd, R., Proposed notification level for vanadium. California Office of Environmental 

Health Hazard Assessment, editor 2008. 

2. Sturini, M.; Rivagli, E.; Maraschi, F.; Speltini, A.; Profumo, A.; Albini, A., 

Photocatalytic reduction of vanadium (V) in TiO2 suspension: Chemometric 

optimization and application to wastewaters. J. Hazard. Mater. 2013, 254, 179-184. 

3. Zhang, J.; Dong, H.; Zhao, L.; McCarrick, R.; Agrawal, A., Microbial reduction and 

precipitation of vanadium by mesophilic and thermophilic methanogens. Chem. Geol. 

2014, 370, 29-39. 

4. Crans, D. C.; Amin, S. S.; Keramidas, A. D., Chemistry of relevance to vanadium in the 

environment. ADVANCES IN ENVIRONMENTAL SCIENCE AND TECHNOLOGY-

NEW YORK- 1998, 30, 73-96. 

5. United States Environmental Protection Agency. Chemical Contaminants - CCL 4, 

https://www.epa.gov/ccl/chemical-contaminants-ccl-4 

6. United States Environmental Protection Agency. The Third Unregulated Contaminant 

Monitoring Rule (UCMR 3) Fact Sheet for Assessment Monitoring (List 1 

Contaminants) , https://www.epa.gov/sites/production/files/2016-

05/documents/ucmr3-factsheet-list1.pdf. 

7. Wright, M. T.; Belitz, K., Factors controlling the regional distribution of vanadium in 

groundwater. Ground Water 2010, 48 (4), 515-525. 

8. United States Environmental Protection Agency. Slides Presented at the June 16th 

Public Meeting on Preliminary Regulatory Determinations for the CCL3, 

https://www.epa.gov/ccl/slides-presented-june-16th-public-meeting-preliminary-

regulatory-determinations-ccl3. 

9. Byerrum, R.; Eckardt, R.; Hopkins, L.; Libsch, J.; Rostoker, W.; Zenz, C.; Gordon, W.; 

Mountain, J.; Hicks, S.; Boaz, T., Vanadium. Washington, DC: National Academy of 

Sciences 1974, 584. 

10. Al-Ghouti, M. A.; Al-Degs, Y. S.; Ghrair, A.; Khoury, H.; Ziedan, M., Extraction and 

separation of vanadium and nickel from fly ash produced in heavy fuel power plants. 

Chem. Eng. J. 2011, 173 (1), 191-197. 

11. Gerke, T. L.; Scheckel, K. G.; Schock, M. R., Identification and distribution of 

vanadinite (Pb5(V
5+O4)3Cl) in lead pipe corrosion by-products. Environ. Sci. Technol. 

2009, 43 (12), 4412-4418. 

12. Peng, C.-Y.; Korshin, G. V., Speciation of trace inorganic contaminants in corrosion 

scales and deposits formed in drinking water distribution systems. Water Res. 2011, 45 

(17), 5553-5563. 



110 

 

13. Tracey, A.; Crans, D. In Vanadium compounds, ACS Symp. Ser., 1998; American 

Chemical Society Washington, DC: 1998; pp 308-315. 

14. Aureli, F.; Ciardullo, S.; Pagano, M.; Raggi, A.; Cubadda, F., Speciation of vanadium 

(IV) and (V) in mineral water by anion exchange liquid chromatography-inductively 

coupled plasma mass spectrometry after EDTA complexation. J. Anal. At. Spectrom. 

2008, 23 (7), 1009-1016. 

15. Crans, D. C.; Smee, J. J.; Gaidamauskas, E.; Yang, L., The chemistry and biochemistry 

of vanadium and the biological activities exerted by vanadium compounds. Chem. Rev. 

2004, 104 (2), 849-902. 

16. Aureliano, M., Decavanadate: a journey in a search of a role. Dalton Transactions 2009,  

42, 9093-9100. 

17. Guzman, J.; Saucedo, I.; Navarro, R.; Revilla, J.; Guibal, E., Vanadium interactions 

with chitosan: influence of polymer protonation and metal speciation. Langmuir 2002, 

18 (5), 1567-1573. 

18. Naeem, A.; Westerhoff, P.; Mustafa, S., Vanadium removal by metal (hydr) oxide 

adsorbents. Water Res. 2007, 41 (7), 1596-1602. 

19. Peacock, C. L.; Sherman, D. M., Vanadium (V) adsorption onto goethite (α-FeOOH) 

at pH 1.5 to 12: a surface complexation model based on ab initio molecular geometries 

and EXAFS spectroscopy. Geochim. Cosmochim. Acta 2004, 68 (8), 1723-1733. 

20. White, A. F.; Peterson, M. L., Reduction of aqueous transition metal species on the 

surfaces of Fe (II)-containing oxides. Geochim. Cosmochim. Acta 1996, 60 (20), 3799-

3814. 

21. Wilson, S. A.; Weber, J. H., An EPR study of the reduction of vanadium (V) to 

vanadium (IV) by fulvic acid. Chem. Geol. 1979, 26 (3), 345-354. 

22. Lu, X.; Johnson, W. D.; Hook, J., Reaction of vanadate with aquatic humic substances: 

an ESR and 51V NMR study. Environ. Sci. Technol. 1998, 32 (15), 2257-2263. 

23. Ortiz-Bernad, I.; Anderson, R. T.; Vrionis, H. A.; Lovley, D. R., Vanadium respiration 

by Geobacter metallireducens: novel strategy for in situ removal of vanadium from 

groundwater. Appl. Environ. Microbiol. 2004, 70 (5), 3091-3095. 

24. Li, X.; Zhang, H.; Mai, Z.; Zhang, H.; Vankelecom, I., Ion exchange membranes for 

vanadium redox flow battery (VRB) applications. Energy & Environmental Science 

2011, 4 (4), 1147-1160. 

25. Villarreal, M. S.; Kharisov, B.; Torres-Martinez, L.; Elizondo, V., Recovery of 

vanadium and molybdenum from spent petroleum catalyst of PEMEX. Ind. Eng. Chem. 

Res. 1999, 38 (12), 4624-4628. 

26. Gattrell, M.; Park, J.; MacDougall, B.; Apte, J.; McCarthy, S.; Wu, C., Study of the 

mechanism of the vanadium 4+/5+ redox reaction in acidic solutions. J. Electrochem. 

Soc. 2004, 151 (1), A123-A130. 



111 

 

27. Wu, C.-H.; Liao, H.-Y.; Hsueh, K.-L.; Hung, J.-S., Study of the kinetics of vanadium 

redox reaction by rotating disk electrode. ECS Transactions 2011, 35 (32), 11-22. 

28. Aureliano, M.; Crans, D. C., Decavanadate (V10O28
6-) and oxovanadates: Oxometalates 

with many biological activities. J. Inorg. Biochem. 2009, 103 (4), 536-546. 

29. Khan, M. I.; Chen, Q.; Goshorn, D.; Zubieta, J., Polyoxo alkoxide clusters of vanadium: 

structural characterization of the decavanadate core in the" fully reduced" vanadium (IV) 

species [V10O16{(OCH2) 3CCH2CH3}4]
4-

  and [V10O14(OH)2{(OCH2)3CCH2OH}4]
2- and 

in the mixed-valence clusters [V8
IVV2

VO16 {(OCH2)3CR}4]
2- (R= -CH2CH3,-CH3). Inorg. 

Chem. 1993, 32, (5), 672-680. 

30. Ramasarma, T., The emerging redox profile of vanadium. Proceedings-Indian National 

Science Academy Part B 2003, 69 (4), 649-672. 

31. Patole, M.; Gullapalli, S.; Ramasarma, T., Vanadate-stimulated NADH oxidation 

requires polymeric vanadate, phosphate and superoxide. Free Radic. Res. Commun. 

1988, 4 (4), 201-207. 

32. Crans, D. C.; Bunch, R. L.; Theisen, L. A., Interaction of trace levels of vanadium (IV) 

and vanadium (V) in biological systems. J. Am. Chem. Soc. 1989, 111 (19), 7597-7607. 

33. Crans, D. C., Aqueous chemistry of labile oxovanadates: relevance to biological studies. 

Comments Inorg. Chem. 1994, 16 (1-2), 1-33. 

34. Leinweber, P.; Meissner, R.; Eckhardt, K. U.; Seeger, J., Management effects on forms 

of phosphorus in soil and leaching losses. Eur. J. Soil Sci. 1999, 50 (3), 413-424. 

35. Slack, A. V., Phosphoric acid. M. Dekker: 1968; Vol. 1. 

36. Zhang, Y.; Muhammed, M., The removal of phosphorus from iron ore by leaching with 

nitric acid. Hydrometallurgy 1989, 21 (3), 255-275. 

37. Liu, H.; Kuznetsov, A. M.; Masliy, A. N.; Ferguson, J. F.; Korshin, G. V., Formation 

of Pb (III) intermediates in the electrochemically controlled Pb (II)/PbO2 system. 

Environ. Sci. Technol. 2012, 46 (3), 1430-1438. 

38. Kim, J.; Korshin, G. V.; Frenkel, A. I.; Velichenko, A. B., Electrochemical and XAFS 

Studies of Effects of Carbonate on the Oxidation of Arsenite. Environ. Sci. Technol. 

2006, 40 (1), 228-234. 

39. Ma, J.; Yan, M.; Kuznetsov, A. M.; Masliy, A. N.; Ji, G.; Korshin, G. V., Rotating 

Ring-Disk Electrode and Quantum-Chemical Study of the Electrochemical Reduction 

of Monoiodoacetic Acid and Iodoform. Environ. Sci. Technol. 2015, 49 (22), 13542-

13549. 

40. Jing, Y.; Chaplin, B. P., A Mechanistic Study of the Validity of Using Hydroxyl 

Radical Probes to Characterize Electrochemical Advanced Oxidation Processes. 

Environ. Sci. Technol. 2017, 51 (4), 2355-2365. 

41. Bard, A. J.; Faulkner, L. R., Electrochemical methods: fundamentals and applications. 

2nd ed.; Wiley New York: 2000. 



112 

 

42. Babu, G. R.; Rao, P.; Ramakrishna, K.; Syamala, P.; Satyanarayana, A., Kinetics of 

oxidation of iron (II) by vanadium (V) under the conditions where VO2
+ and 

decavanadate coexist. Int. J. Chem. Kinet. 2000, 32 (9), 535-541. 

43. Sato, H.; Yui, M.; Yoshikawa, H., Ionic Diffusion Coefficients of Cs+, Pb2+, Sm3+, Ni2+, 

SeO4
2- and TcO4

- in Free Water Determined from Conductivity Measurements. J. Nucl. 

Sci. Technol. 1996, 33 (12), 950-955. 

44. Kalyani, P.; Ramasarma, T., A novel phenomenon of burst of oxygen uptake during 

decavanadate-dependent oxidation of NADH. Mol. Cell. Biochem. 1993, 121 (1), 21-29. 

45. Gresser, M. J.; Tracey, A. S.; Parkinson, K. M., Vanadium (V) oxyanions: The 

interaction of vanadate with pyrophosphate, phosphate, and arsenate. J. Am. Chem. Soc. 

1986, 108 (20), 6229-6234. 

46. Williams, R. J., Metal ions in biological systems. Biological Reviews 1953, 28 (4), 381-

412. 

47. Rehder, D., Bioinorganic vanadium chemistry. John Wiley & Sons: 2008; Vol. 30. 

48. Zhang, B.; Feng, C.; Ni, J.; Zhang, J.; Huang, W., Simultaneous reduction of vanadium 

(V) and chromium (VI) with enhanced energy recovery based on microbial fuel cell 

technology. J. Power Sources 2012, 204, 34-39. 

 



113 

 

Chapter 5  
 

 

Photochemical Removal of Cr(VI) and 

Nitrate in Spent Ion-exchange 

Regenerant Brine 
 

 

In preparation for Submission 

Chen, G. & Liu, H. 

 



114 

 

5.1 Abstract 

The accumulation of Cr(VI) and nitrate renders the spent ion-exchange (IX) regenerant 

brine as hazardous waste and challenging for disposal. This study investigated 

photochemical reduction of Cr(VI) and nitrate in the spent brine by utilizing the 

photochemistry of nitrate and reductive carbon-centered radicals. Under UV irradiation, 

nitrate in spent brine generated highly reactive intermediates (e.g., HO· and NO2·) that 

oxidized formate or alcohols into carbon-centered radicals (e.g., CO2·
-, ·CH2OH, 

CH3ċHOH, and (CH3)3ċOH). CO2·
- had the most negative standard reduction potential 

and exhibited the highest reduction efficiency for Cr(VI). Increasing the dosage of formate 

promoted the formation of CO2·
- and accelerated the reduction kinetics of Cr(VI). Despite 

that the post pH adjustment is required to induce the precipitation of Cr(OH)3 solids, acidic 

pH favored photochemical reduction of Cr(VI) mainly because of the enhanced production 

of CO2·
-, reduced scavenging effects from CO3

2-, and the formation of more reducible 

HCrO4
-. Ionic strength exhibited no adverse effect on Cr(VI) reduction because of 

homogenous reaction mechanism. Chloride prominently inhibited the reduction of Cr(VI) 

via transforming NO2· into less reactive NO· and Cl2·
-. Co-removal of Cr(VI) and nitrate 

was achieved at acidic pHs with an extended reaction time. Outcome of this study provided 

IX process an alternative treatment technology for the disposal and reuse of hazardous 

brine waste.  



115 

 

5.2 Introduction 

Hexavalent chromium (Cr(VI)) and nitrate are widely occurred in groundwater 

because of natural occurring and anthropogenic activities.1, 2 Statistics on oxyanions in 

drinking water wells shows strong positive correlation between Cr(VI) and nitrate, 

indicating their cooccurrence in groundwater.1 The toxicity and ecological impacts require 

their removal from water. Ion exchange has been demonstrated as a promising process to 

remove toxic oxyanions from groundwater given its effectiveness, operational simplicity, 

and large processing capacity.3-5 Prior studies have shown that strong-base anion exchange 

(SBA-IX) can effectively remove Cr(VI) and nitrate from groundwater because quaternary 

amine groups on the resin remain positively charged in wide pH ranges and have great 

affinity and capacity to bind negatively charged oxyanions.4, 6 Even though the 

concentration of Cr(VI) is usually much lower than that of nitrate in groundwater, 

regenerable anion exchange resins has much higher affinity toward Cr(VI) than nitrate.7 

The combing effect causes the co-removal of Cr(VI) and nitrate from groundwater in IX 

processes. Frequent regeneration of exhausted resins produces a large quantity of Cr(VI)- 

and nitrate-laden brine. The accumulation of Cr(VI) greater than 5 mg/L  renders the spent 

brine as hazardous waste, which make the direct disposal costly and unstainable.4, 8 

Management of hazardous brine has posed great challenges to implement IX process 

particularly at locations lack access to brine line or far from oceans. 

To make IX process economically viable and sustainable, onsite brine treatment has 

been studied to integrate with IX process. This process can help reduce the quantity of 

hazardous waste, reuse of the treated brine for resin regeneration, and reduce the regenerant 
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salt consumption and discharge into environment.9 Existing treatment technologies for 

Cr(VI)- and nitrate-laden brine  include chemical and catalytic reduction and biological 

removal.3, 4, 10, 11  Transformation of Cr(VI) and nitrate in spent brine is very challenging 

because brine has much higher salinity, alkalinity and ionic strength, compared with 

groundwater. The existing approaches, although functional, confront various challenges. 

For instance, catalytic reduction processes suffer from passivation effect of high levels of 

chloride and sulfate in IX brine11 Biological approaches require salinity-tolerant 

microorganisms and suffers from slow reaction kinetics.3, 12 Although chemical reduction 

can effectively remove Cr(VI) and make spent brine nonhazardous, this process generate a 

large quantity of waste sludge that required further disposal.13, 14  

Aliphatic carbon-centered radicals (e.g, CO2·
-, ·CH2OH, etc.), typically produced by 

hydrogen abstraction from carboxylate and alcohols, are strong reducing agents.15-17 

Thermodynamically, they can reduce Cr(VI) and nitrate due to their negative reduction 

potentials.15 Prior study has proved that CO2·
- generated from formate in heat-activated 

persulfate system effectively reduced Cr(VI) into Cr(III).18 In Chapter 3, CO2·
- was 

produced by partial oxidation of formate with reactive radical species (e.g., HO· and NO2·) 

from nitrate photolysis. The reduction induced by CO2·
- integrated with photolysis of 

nitrate rendered a reductive transformation of nitrate into gas-phase nitrogen. Given the 

coexistence of Cr(VI) and nitrate in the spent IX brine and unique photochemistry of 

nitrate, UV irradiation of spent IX brine in the presence of formate or alcohols can 

potentially remove of Cr(VI) and nitrate concurrently. The elimination of solid catalysts 

and microorganisms avoids the issues associated with heterogeneous catalysis and 
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biological processes. In addition, the formed carbon-centered radicals are eventually 

mineralized into carbon dioxide, which reduce the production of hazardous sludge, 

compared with chemical reduction. Despite the promising application potentials, this 

process has not been studied for IX brine treatment.  

In this chapter, photochemical reduction of Cr(VI) in spent IX brine was investigated 

with different carbon-centered radicals. The effects of formate dosage, ionic strength, pH, 

and major inorganic constituents (i.e., Cl-, SO4
2-, and HCO3

-) were examined on the 

reduction Cr(VI). The co-removal of Cr(VI) and nitrate was assessed in authentic IX brine.  

5.3 Materials and Methods 

5.3.1 Collection of spent IX regenerant brine  

Spent brine waste was collected from a full-scale SBA-IX system that treated 

groundwater from a drinking well in California. Specifically, SBA-IX resin (Purolite 

A600E 9149, 2016) was utilized in a vessel with empty bed contact time of 2.4 min and 

hydraulic loading rate of 522 L min-1 m-2. The average concentrations of total chromium 

and nitrate in groundwater are 17.4 µg/L and 3.1 mg-N/L, respectively. As total chromium 

in effluent exceeded 10 µg/L, the resin was regenerated with 3 bed volumes of 2 M NaCl 

in softened groundwater followed by 3 bed volumes of softened groundwater for rinse. The 

combined waste solution was spent IX regenerant brine for treatment.  

5.3.2 Photochemical experiments 

Batch experiments of photochemical treatment of spent brine were conducted in 10-

mL quartz tubes rotating around a 450 W medium-pressure UV lamp (Ace Glass, Inc.). 
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The lamp emitted photons mainly between 200 to 850 nm (Figure S5.1) with a total light 

intensity of 66 mW/cm2 at the position of the quartz tubes. Prior to UV irradiation, 8 mL 

of spent IX brine (chemical composition in Table 5.1) was transferred to one quartz tube 

and spiked with a rather small volume of concentrated stock solutions of formate or alcohol 

(methanol, ethanol, or isopropanol) to make final formate or alcohol concentration ranging 

from 5 to 160 mM. To start an experiment, the reaction solution was exposed to UV 

irradiation. At predetermine time intervals, one sacrificial tube was taken out of 

photochemical reactor for further analysis.  In the experiments to study the impact of pH, 

ionic strength, and major inorganic constituents, synthetic water matrices containing nitrate 

(45 mM), NaCl (0 - 2M), Na2SO4 (0 - 0.2 M), and NaHCO3 (0 - 44 mM) were used. The 

solution pH was controlled between 3 and 11 by 100 mM phosphate buffer or borate buffer. 

The ionic strength of solution was adjusted by NaClO4 (0 - 2 M) and maintained the same 

except the experiment to examine the impact of ionic strength.  

5.3.3 Sample analysis 

Prior to analysis, the sample was filtered by 0.2-µm PVDF membranes. The 

concentration of Cr(VI) was analyzed by the standard 1,5-diphenylcarbazide (DPC) 

method.19 The concentrations of nitrate, nitrite, and formate were analyzed by ion 

chromatography (DX-120, Thermo Fisher Scientific) with an anion column (Dionex Ion 

Pac AS22) and a conductivity detector. The eluent contained 4.5 mM NaHCO3 and 1.4 

mM Na2CO3 and had a flow rate of 0.86 mL/min. For solution with high levels of chloride, 

nitrite was analyzed by colorimetric methods with sulfanilamide and N-(1-naphtyl)-

ethylenediamine dihydrochloride because the chromatographic peak of chloride strongly 
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interferes with that of nitrite.19 Total organic carbon and total nitrogen were analyzed by a 

TOC analyzer with nitrogen measurement module (Aurora 1030C). Total chromium 

concentration was analyzed by Inductively Coupled Plasma-Mass Spectrometry (ICP-MS, 

Agilent 7700 Series). 

5.4 Results and Discussion 

5.4.1 Water chemistry of spent IX brine  

The spent brine from full-scale IX processes contained higher levels of toxic 

substances (e.g., chromium, nitrate, vanadium, etc.) and common water constituents (i.e., 

sulfate and chloride, Table 5.1), compared with raw groundwater.4 The spent brine is 

hazardous because the concentration of chromium (i.e., 34.1 mg/L) highly exceeds 

California hazardous soluble threshold limit concentrations (5 mg/L, Table 5.1). Despite 

the weak affinity on the resins, nitrate and sulfate were also accumulated in the spent brine 

because their concentrations in source water are much higher than chromium. After resin 

regeneration process, most of the chloride in the fresh brine was remained in the spent 

waste. Total organic matter in the spent brine was enriched up to 97.5 mg-C/L although its 

levels is negligible in the source groundwater.4  
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Table 5.1 Composition of full-scale ion exchange spent brine and California Hazardous Soluble Threshold Limit Concentrations 

(STLC) 

 

# STLCs for both total chromium and Cr(VI) are 5 mg/L  

*Nuclear regulatory commission low-level radioactive waste classification 

 

 

 

 

 

 

 

Species Chromium Arsenic Selenium Vanadium Uranium Sulfate Chloride Nitrate TOC 

Concentration (mg/L) 34.1 0.2 0.9 5.6 3.3 18,000 49,300 2945 97.5 

STLC (mg/L) 5.0 # 5.0 1.0 24 0.05% by weight * - - - - 
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UV-vis absorption spectrum shows that the spent brine has three major absorption 

bands: near 200 nm, 250-300 nm, and 320-400 nm (Figure 5.1). Optical spectra of the 

solutions with Cr(VI) and nitrate at the same levels as spent brine was utilized to 

deconvolute the overall absorption spectrum. The results showed that nitrate mainly 

contributed to the strong absorption near 200 nm. Cr(VI) resulted in the absorption band 

between 320 to 400 nm and partially contributed to the absorption between 250 and 300 

nm. The unaccounted UV absorption beside that from Cr(VI) and nitrate was mainly due 

to the dissolved organic matters. The specific UV absorbance at 254 nm is 1.2 L/(mg-C·m), 

indicating low degree of aromaticity of organic matters accumulated in the spent brine.20  
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Figure 5.1 UV-vis absorption spectra of the spent IX regenerant brine and its major 

constituents. 
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5.4.2 Photochemical reduction of Cr(VI) in the spent brine 
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Figure 5.2 Photochemical reduction of Cr(VI) in the spent IX regenerant brine in the 

presence of different organic electron donors. [Formate] = [Methanol] = [Ethanol] = 

[Isopropanol] = 40 mM 

Chromium predominantly exists as Cr(VI) in the spent brine. At alkaline pH (i.e., 8.6), 

the major speciation of Cr(VI) was CrO4
2-. Transformation of CrO4

2- to sparingly soluble 

Cr(OH)3 solids with subsequent filtration could remove chromium from spent brine and 

make it nonhazardous. Herein, photochemical reduction of Cr(VI) in the spent brine was 

investigated in the presence of formate and different alcohols. The results showed that 

Cr(VI) was removed much faster in the presence of formate than alcohols (Figure 5.2). 

Negligible reduction of Cr(VI) was observed in the absence of formate or alcohols. That 

indicated that the reduction of Cr(VI) demanded external electron donors and formate was 

better than three alcohols. Under UV irradiation, nitrate in the spent brine underwent 

photolysis and generated reactive radicals (e.g., HO· and NO2·) that abstracted one 

hydrogen atom from formate or alcohols to form reductive carbon-centered radicals (i.e., 
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CO2·
-, ·CH2OH, CH3ċHOH, and (CH3)3ċOH).17 The rate between HO· and HCOO- 

(3.2×109 M-1s-1) is larger than that between HO· and alcohols (8.3×108 - 1.6×109 M-1s-1), 

which favored faster formation of CO2·
- than other carbon-centered radicals.21 In addition, 

the standard reduction potential of CO2·
- (Eo(CO2/CO2·

-) = -1.90 V) is more negative than 

that of other carbon-centered radicals (Eo(HCHO/·CH2OH) = -1.18 V, 

Eo(CH3CHO/CH3ċHOH) = -1.25 V, and Eo((CH3)2CO/(CH3)3ċOH) = -1.39 V).15 Based on 

Marcus electron-transfer theory, more negative reduction potential of CO2·
- could render 

lower activation barrier between CO2·
- and CrO4

2- than that between other carbon-centered 

radical and CrO4
2-.22  These two factors probably caused faster reduction of Cr(VI) in the 

presence of formate than alcohols. In the following study, formate was chosen as the 

electron donor for Cr(VI) and nitrate reduction.  

5.4.3 Impact of formate dosage 

The impact of formate dosage on photochemical removal of chromium was 

investigated in the spent IX brine. As formate dosage increased from 5 to 120 mM, the 

reduction kinetics of Cr(VI) was dramatically accelerated (Figure 5.3). For instance, 120 

minutes was required to reduce less than 20% of Cr(VI) in the presence of 5 mM formate, 

while only 40 minutes was required to completely reduce Cr(VI) in the presence of 120 

mM formate. A similar trend was also observed for the removal of total chromium. With a 

formate dosage between 40 and 120 mM, the concentration of total chromium was reduced 

below regulatory standards (i.e., 5 mg/L) within 90 minutes (Figure S5.2). The reduction 

of total chromium over time indicated that Cr(VI) was transformed into Cr(OH)3 solids and 

filtered out of solution. Formate at high dosages efficiently captured the reactive radicals 
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from nitrate photolysis, enhanced the production of CO2·
-, and consequently accelerated 

removal of chromium. 
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Figure 5.3 Impact of formate dosage on photochemical reduction of Cr(VI) in the spent IX 

regenerant brine. [Formate] = 5-120 mM, pH = 8.4-8.7, and the sample was filtered through 

0.2-µm PVDF membrane before analysis. 

5.4.4 Impact of pH 

 

Figure 5.4 Impact of pH on photochemical removal of Cr(VI) in the spent IX regenerant 

brine. [Formate] or [Formic acid] = 40 mM. 
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The impact of pH on chromium removal in the spent brine was examined. Acidic pH 

favored photochemical reduction of Cr(VI). As the initial pH decreased from 10.8 to 3.1, 

the reduction kinetics of Cr(VI) was significantly accelerated (Figure 5.4). For instance, 

less than 85% of Cr(VI) was removed at initial pH 10.8 after 120 minutes, while more than 

97 % of Cr(VI) was reduced at initial pH 3.1 within 10 minutes. pH impacts speciation of 

the water constituents and reactive intermediates (H2CO3/HCO3
-/CO3

2-: pk1=6.3 and 

pK2=10.3; HCrO4
-/CrO4

2-: pK=6.5; HNO2/NO2
-: pK=3.3), the availability of protons, and 

thus the reduction process of Cr(VI).23 The spent brine contained high levels of carbonate 

species. As the initial pH decreased from 10.8 to 8.5, CO3
2- was protonated into HCO3

-, 

which highly weakened the scavenging effect of carbonate species on HO· (4.0×108 M-1s-

1 vs. 8.5×106 M-1s-1) and enhanced the production of CO2·
- for Cr(VI) reduction.24, 25 

Further decrease of initial pH from 8.5 to 3.1 transformed CrO4
2- into more reducible 

HCrO4
- (Eo(HCrO4

-/Cr3+)= 1.35 V vs. Eo(CrO4
2-/Cr(OH)3)=-0.13 V). In addition, the 

protonated HNO2 intermediate generated from nitrate photolysis had much higher quantum 

yield of HO· than NO2
-. Overall, the enhanced formation of CO2·

- from HO· and the 

generation of more reducible Cr(VI) species enhanced the reduction of Cr(VI) under acidic 

conditions. After treatment, the level of total chromium at initial pH 5.2 and 8.6 was below 

regulatory standard. Despite the fastest reduction of Cr(VI) at initial pH 3.1, total 

chromium remained unchanged because the formed Cr(III) was soluble (Figure S5.3). 

Subsequent pH adjustment prior to filtration was required to induce the precipitation of 

Cr(OH)3 solids. 
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5.4.5 Impact of ionic strength 
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Figure 5.5 Impact of ionic strength on photochemical reduction of Cr(VI) in the presence 

of nitrate and formate. [Cr(VI)] = 31.2 mg/L, [Nitrate] = 45 mM, [Formate] = 40 mM, 

[NaClO4] = 0 - 2 M, and pH = 5.9-6.7 with 50 mM phosphate buffer 

The ionic strength of the spent brine was more than two orders of magnitude higher 

than groundwater. The impact of ionic strength on photochemical reduction of Cr(VI) was 

investigated. Buffered synthetic water matrices containing similar levels of Cr(VI) and 

nitrate to the spent IX brine but different ionic strength. The highest ionic strength (i.e., 

2187 mM) in the synthetic water matrix was comparable with that in spent brine. As ionic 

strength increased, Cr(VI) reduction was not inhibited but accelerated (Figure 5.5). The 

enhanced removal of Cr(VI) at high ionic strength was due to the slight decrease of solution 

pH from 6.7 to 5.9 (pH was changed in the buffered solution because of the shifted 

equilibrium of phosphate buffer at different ionic strength). High ionic strength had no 

adverse effect on Cr(VI) removal. This phenomenon can be ascribed to homogenous nature 

of the reaction. In homogenous photochemical system, the produced CO2·
- evenly and 
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closely distributed with Cr(VI) in the solution, which avoided the mass-transfer issues and 

facilitate electron-transfer kinetics even that high ionic strength.  In comparison, Cr(VI),  

in heterogenous catalytic reactions, needs to overcome high resistance from surrounding 

environment to access the active sites of the catalysts, which caused poor performance at 

high ionic strength. 

5.4.6 Impact of inorganic constituents  
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Figure 5.6 Impact of chloride, sulfate and bicarbonate on photochemical reduction of 

Cr(VI) in the presence of nitrate and formate. [Cr(VI)] = 31.2 mg/L, [NaCl] = 2 M, [Na2SO4] 

= 0.2 M, [NaHCO3] = 45 mM, [NaClO4] = 0 - 2 M, pH= 7.9-8.1 with 100 mM borate buffer. 

Spent brine contained high levels of chloride, sulfate, and bicarbonate. Their impact 

on photochemical reduction of Cr(VI) was quantified in synthetic water matrices with 

similar concentrations of Cr(VI), nitrate and targeted anions to that in the spent brine. 

NaClO4 was used to maintain the same ionic under different conditions. The result showed 

that chloride strongly inhibited the reduction of Cr(VI) while sulfate and bicarbonate had 

slightly negative and negligible impact on Cr(VI) removal, respectively (Figure 5.6). 
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Prominent inhibition from chloride was due to its strong scavenging effect on NO2· that 

made significant contribution to the formation of CO2·
- based on Chapter 3. Prior study 

showed that chloride reacted with NO2· with the formation of NOCl and NO3
-.26 NOCl was 

unstable and subsequently transform into NO2
-, NO· and Cl· through hydrolysis and 

photolysis reaction.26 High levels of chloride further transformed Cl· into Cl2·
-.27 The 

overall effect of chloride in the spent brine rendered the conversion of NO2· into NO· and 

Cl2·
- that are less reactive with formate, which reduced the formation of CO2·

- and 

eventually slowed down the reduction of Cr(VI). Sulfate and bicarbonate have less 

significant impact than chloride because of their comparatively low concentrations and low 

reactivity with NO2· and HO·.  

5.4.7 Co-removal of Cr(VI) and nitrate 

Co-removal of Cr(VI) and nitrate from the spent brine was investigated at different 

pHs under unbuffered conditions. The initial pH of the solution was adjusted by tuning the 

ratio between formic acid and formate. The results showed that acidic pH favored the 

removal of nitrate and total dissolved nitrogen. Despite the solution pH, the reduction 

kinetics of Cr(VI) was significantly faster than that of nitrate. For instance, complete 

reduction of Cr(VI) was achieved within 1.5 hours while at least 9 hours were required to 

achieve more than 95% removal of nitrate under the most favorable condition (i.e., pH = 

2.1-3.5). The asynchronous removal between Cr(VI) and nitrate was mainly due to their 

different concentrations in the spent brine ([Cr(VI) = 0.6 mM vs. [NO3
-]= 47.5 mM]). As 

pH decreased, the removal of total dissolved nitrogen was accelerated because protonated 

nitrite underwent fast photolysis and had insignificant accumulation. In addition, pH 
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strongly impacted the removal of total chromium. As photochemical reduction proceeded  

solution pH was increased (Figure S5.4) because of the consumption of protons. When the 

final pH was very acidic, total chromium was not removed because the formed Cr(III) 

mainly existed as a soluble form (Figure 5.7 A). Progressive pH change from acidic to 

alkaline condition caused initial lag phase followed by dramatic decrease of total chromium 

concentration (Figure 5.7B and Figure S5.4). Under alkaline pHs, the removal of total 

chromium followed the same track as that of Cr(VI) because the reduced Cr(VI) was 

simultaneously transformed into Cr(OH)3 solids that was filtered out solution (Figure 

5.7C). Overall, acidic pH favored the co-removal of Cr(VI) and total dissolved nitrogen 

but post adjustment of pH was required to precipitate Cr(III) for total chromium removal. 
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Figure 5.7 Photochemical removal of chromium and nitrate from the spent IX regenerant 

brine in the presence of formate: (A) pH = 2.1-3.5; (B) pH = 3.4-8.6; and (C) pH = 8.6-9.1. 

[Formate] = 160 mM. 
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5.5 Environmental Implications 

This study demonstrated an alternative treatment technology to remove Cr(VI) and 

nitrate from the spent IX regenerant brine. It is advantageous over conventional chemical, 

catalytic, and biological treatment processes because of the reduced sludge production and 

high tolerance to ionic strength and concentrated coexisting constituents. High dosage of 

formate accelerated the reduction kinetics of Cr(VI) but left high levels of formate residual 

in the treated brine. Prior study showed the reuse of treated brine with 400-mM formate 

residual caused insignificant resin capacity loss.11 The leakage of formate into treated 

ground water can be eliminated by rinsing the resin regenerated by treated spent brine with 

small bed volumes of fresh NaCl solution. In addition, the stoichiometry of between 

formate and Cr(VI) plus nitrate can be investigated in further work  to optimize the dosage 

of formate. Even though acidic pH favors the reduction of Cr(VI) and nitrate, post pH 

adjustment can be costly and should be avoided by optimizing the initial pH. Our study 

shows that the initial pH of the solution can be controlled by tuning the ratio of formic acid 

to formate with no need of extra acid. pH increase resulted from proton consumption during 

treatment can be potentially utilized to ensure fast removal of chromium and dissolved 

nitrogen as well as eliminate the post pH adjustment.  

Successful removal of total chromium not only rely on the reductive transformation of 

Cr(VI) into Cr(OH)3 solids but also the subsequent solid removal process. The presence of 

coexisting constituents can from complexes on the surface of Cr(OH)3 and impact of 

surface charge and aggregation of Cr(OH)3 particles. High ionic strength can compress 

diffusion double layer and promote the aggregation of particles. The aggregation and 
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growth behaviors of Cr(OH)3 during photochemical treatment would eventually impact the 

precipitation and removal efficiency of Cr(OH)3 solids. Therefore, it is important to 

understand the effect of water chemical parameters on the dynamics of particle formation 

and precipitation. In addition, our study also shows the co-removal other toxic oxyanions 

(e.g., arsenate and vanadate) with the precipitation of Cr(OH)3 solids (Figure S5.5). The 

sequestration mechanism for arsenic and vanadium with the precipitation of Cr(OH)3 solids 

remains unclear and will be investigated in future work.  
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Chapter 6  
 

 

 

Conclusions and Broader Impacts 
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The overall goal of this research was to understand the reduction processes of Cr(VI), 

vanadium(V), and nitrate under environment-relevant conditions and develop alternative 

redox-based treatment technologies for public water utilities to transform these 

contaminants into environmental benign products. To achieve this goal, photocatalytic 

reduction of Cr(VI) by newly designed and highly reductive TiO2 nanocrystals (Chapter 

2), nitrate reduction via CO2·
- - induced photochemical denitrification (Chapter 3), and the 

reduction kinetics of vanadium(V) and their transformation products (Chapter 4) were 

investigated 

6.1 Photocatalytic Removal of Hexavalent Chromium by Newly Designed and Highly 

Reductive TiO2 Nanocrystals 

In Chapter 2, highly reductive TiO2 nanocrystals were synthesized by thermal 

hydrolysis of TiCl4 precursor in the DEG. FTIR characterization demonstrated that DEG 

was chemically bonded on TiO2 surface via C-O-Ti covalent bonds. The suppressed 

formation of hydroxyl radical measured by terephthalic acid, compared with that of 

standard P25 TiO2, indirectly evidenced the internal hole-scavenging effect of the 

synthesized TiO2 nanocrystals. Hydrolysis time was the key synthesizing parameter that 

controlled the crystallinity of TiO2 and the number of DEG bonded on TiO2 surface. 

Optimization based on Cr(VI) reduction indicated that the optimal hydrolysis time was 3 

hours. 

With the same surface-area based dosage, the synthesized TiO2 nanocrystal exhibited 

superior performance to standard P25 TiO2 for the reduction of Cr(VI) with initial 

concentrations ranging from 100 µg/L to 50 mg/L. Increasing catalyst dosage dramatically 
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enhanced the reduction efficiency of Cr(VI). Catalyst surface analysis over time by XPS 

indicated the formation and accumulation of Cr(III) on TiO2 surface. Time-course FTIR 

study showed the formation of Cr-OH stretching, indicating that Cr(III) existed as 

Cr(OH)3(s). Sequential filtration followed by total Cr analysis demonstrated the growth 

Cr(OH)3 solids over time. Single particle ICP-MS analysis showed the synthesized TiO2 

nanocrystals had insignificant aggregation during Cr(VI) reduction process. The surface 

charges of TiO2 nanocrystals remained highly negative despite the changes caused by the 

oxidation of DEG during hole-scavenging processes and the deposition of Cr(OH)3 solids 

with Cr(VI) reduction. 

The longevity experiments showed that the synthesized TiO2 nanocrystals can be 

reused at least 10 cycles with minor decay on Cr(VI) reduction performance. The total 

electron releasing capacity calculated based on 10-cycle experiment was 0.187 mol/g, 

indicating that the synthesized catalyst has a large electron-releasing capacity. Excellent 

Cr(VI) reduction performance in synthetic groundwater and tap water matrices indicated 

that the synthesized TiO2 nanocrystals was robust to remove Cr(VI) in diverse drinking 

water matrices.  

6.2 Nitrate Removal via Formate Radical-induced Photochemical Process 

In Chapter 3, a novel photochemical denitrification process was developed to 

transform nitrate into gas-nitrogen products under different water chemical conditions. 

Photolysis of nitrate in the presence of formate showed simultaneous removal of total 

dissolved nitrogen and organic carbon. Formate has been demonstrated to play an 

important role in driving denitrification process. The kinetic model including all possible 
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reactions showed that HO·, NO2· and CO3·
- generated during nitrate photolysis oxidized 

formate into formate radical (CO2·
-). Subsequently, CO2·

- mainly reduced NO·, HNO, and 

N2O to gas-phase nitrogen (i.e., N2O and N2). The formation of CO2·
- was confirmed by 

EPR analysis. Kinetic modeling showed that NO2· contributed most to CO2·
- formation 

followed by HO· and CO3·
-. NO· was the major sink of CO2·

- followed by self-

recombination and dissolved oxygen. The overall denitrification kinetics was controlled by 

photolysis rates of nitrate and nitrite. The reaction selectivity toward gas-phase products 

was mainly limited by the slow reaction between CO2·
- and N2O. Products analysis showed 

N2 accounted for 30% of gas-phase products and the remaining 70% was N2O, indicating 

the accumulation of N2O in the final products.  

Solution pH impacted the photolysis of nitrate and nitrite but had negligible effect on 

the removal of total dissolved nitrogen. Nitrate removal was slightly enhanced at alkaline 

pH compared with that at neutral and acidic pH, respectively, because catalytic hydration 

of dissolved CO2 into HCO3
- inhibited formation of nitrate from ONOO-. The accumulation 

of nitrite was suppressed as pH decreased because protonated nitrite (i.e., HNO2) has larger 

molar extinction coefficient and higher photolysis quantum yield than the deprotonated 

form (i.e., NO2
-). Collaborative effect of nitrate and nitrite caused insignificant effect of 

pH on the removal of total dissolved nitrogen.  

DOM at levels similar to groundwater matrix had negligible impact on the 

denitrification performance. DOM at levels simulating eutrophic surface water and 

wastewater suppressed the photolysis of nitrate and slowed down the denitrification 

process. High concentrations of DOM impacted the denitrification process mainly because 
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of its light-shading and electron-donating effects. The reaction stoichiometry between 

formate and nitrate was determined as 3.1, regardless of pH and the presence of other 

inorganic and organic constituents at levels similar to groundwater matrix. Photochemical 

denitrification performance in synthetic groundwater was comparable with that in 

deionized water, indicating that the developed process had application potentials in nitrate-

contaminated groundwater.  

6.3 Understanding Reduction Kinetics of Aqueous Vanadium(V) and Transformation 

Products Using Rotating Ring-Disk Electrode 

In Chapter 4, the reduction kinetics of vanadium(V) species and stability of their 

reduction products were investigated with rotating ring-disk electrode to fill the knowledge 

gap of vanadium redox chemistry under environment-relevant conditions. Four relevant 

vanadium(V) species were obtained through controlling solution pH, vanadium 

concentration, and ionic strength. Koutecky-Levich and Tafel analyses showed that the 

intrinsic reduction kinetics of vanadium(V) followed the order of NaxHyV10O28
(6-x-y)- > 

VO2
+ > HxV4O12+x

(4+x)- > HVO4
2-. In addition, the reduction of vanadium(V) species on 

rotating ring-disk electrode surface was diffusion-controlled. Based on Koutecky-Levich 

plots and the correlation of reduction peak current vs. square root of scan rates from cyclic 

voltammetry curves, the calculation showed that the reduction of NaxHyV10O28
(6-x-y)- 

involved two-electron transfer while that of the other three species involved only one-

electron transfer. Product collection efficiency on ring electrode showed the reduction 

product of NaxHyV10O28
(6-x-y)- is stable while that of VO2

+, HxV4O12+x
(4+x)-, and HVO4

2- had 

a half-life ranging from milliseconds to seconds. The fast reduction kinetics of 
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NaxHyV10O28
(6-x-y)-, unique two-electron mechanism, and high stability of reduction 

products were resulted from cage-like superstructure.  

As the molar ratios of phosphate to vanadium(V) increased from 0 to 1, phosphate 

accelerated the reduction kinetics of NaxHyV10O28
(6-x-y)- and HxV4O12+x

(4+x)- but had a 

minimal effect on that of VO2
+ and HVO4

2-. At pH 4, Phosphate mainly as H2PO4
- formed 

complexes with NaxHyV10O28
(6-x-y)-, which lowered the electron density of vanadium and 

therefore the reduction barrier. At pH 7, phosphate mainly as H2PO4
- and HPO4

2- promoted 

the decomposition of HxV4O12+x
(4+x)- to H2VO4

- and further complexed with latter, which 

made vanadium more reducible. The weak complexation of phosphate with VO2
+ and 

HVO4
2- caused negligible effect on their reduction kinetics. Phosphate also complexed with 

and stabilized reduction products of VO2
+, HxV4O12+x

(4+x)-, and HVO4
2- and inhibited their 

re-oxidation to vanadium(V).  

6.4 Photochemical Removal of Cr(VI) and Nitrate in Spent Ion-exchange Regenerant 

Brine 

In Chapter 5, photochemical reduction of Cr(VI) and nitrate in spent IX brine 

regenerant brine was investigated to reduce the quantity of hazardous waste and increase 

the viability and sustainability of ion-exchange processes for water treatment. CO2·
-, 

·CH2OH, CH3ċHOH, and (CH3)3ċOH) were produced by hydrogen abstraction of formate, 

methanol, enthanol, and isopropanol with reactive radicals from nitrate photolysis (i.e., 

HO·). CO2·
- exhibited better Cr(VI) reduction performance than the other three radicals. 

The increase of formate dosage enhanced the production of CO2·
- and consequently 
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accelerated the reduction kinetics of Cr(VI) as well as total chromium. The decrease of pH 

significantly improved the reduction efficiency of Cr(VI) because the change of speciation 

of carbonate, nitrite species, and chromate enhanced the production of CO2·
- and the 

formation of more reducible HCrO4
-. In contrast to fast reduction of Cr(VI), negligible 

removal of total chromium at acidic pH, indicating that post pH adjustment was required 

to precipitate the generated Cr(III). Ionic strength exhibited no adverse effect on Cr(VI) 

reduction because CO2·
- was homogenously and closely distributed with Cr(VI) with 

insignificant mass-transfer resistances. Chloride scavenged NO2·, suppressed the 

formation of CO2·
-, and consequently inhibited the reduction of Cr(VI), while bicarbonate 

and sulfate had insignificant impact. The reduction kinetics of Cr(VI) was much faster than 

that of nitrate mainly because of the concentration of Cr(VI) was much lower than that of 

nitrate. Co-removal of chromium and dissolved nitrogen in the spent brine was achieved at 

prolonged the reaction time. 

6.5 Broader Impacts and Future Studies 

Findings from this research provide alternative treatment technologies for public water 

facilities to remove Cr(VI) and nitrate from their water resources. The obtained insight on 

the reduction process of vanadium(V) can help develop novel treatment processes for 

vanadium(V) and prevent the re-oxidation of the reduction products. The synthesized TiO2 

nanocrystals exhibited high reductive capacity and can be reused multiple time before 

disposal. To make a treatment unit for Cr(VI), the synthesized TiO2 can be suspended in a 

completely-mixed reactor with membrane-separation module. This reaction system can 

allow complete recovery and recirculation of the catalyst back to the reactor and treated 
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water passing through the membrane. Periodically, the spent catalyst with surface-coated 

Cr(OH)3(s) can be regenerated by strong acid or replaced with fresh catalyst. In addition, 

the synthesized TiO2 nanocrystals can be immobilized on substrate surface to eliminate the 

need for catalyst recovery. For instance, they can be deposited as a uniform film on optical 

fiber in which the light can be effectively delivered. The catalyst on the fiber surface can 

be activated by refraction light out of the fiber. Compact light-emitting diode can be 

integrated with TiO2-coated optical fibers to reduce energy consumption. Given the 

advantage of magnetic separation, future work will also attempt to graft the synthesized 

TiO2 to magnetic materials. For instance, Fe3O4/SiO2/TiO2 core-shell-shell nanocomposite 

will be designed and synthesized.  

The newly developed denitrification process is based on homogenous radical 

chemistry. Unlike the conventional photocatalytic reduction, this process does not require 

a solid catalyst and therefore eliminated the issues associated with catalyst recovery, 

surface passivation, and mass-transfer limitation. In addition, the denitrification efficiency 

of this process has little dependence on pH and inorganic constituents and has moderate 

tolerance on dissolved organic matters, which allow its wide application in diverse water 

matrices. Even though formate has been demonstrated as an effective electron donor, other 

organics including alcohols and carboxylate will be examined for photochemical 

denitrification given their capability to generate reductive carbon-centered radicals. 

Photochemical denitrification in actual water matrix can potentially form potent carcinogen 

N-Nitrosodimethylamine (NDMA) because reactive nitrogen intermediate (e.g., NO·) 

generated from denitrification process can react with dissolved organic matters with amine 
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functional groups to form NDMA. NDMA precursor compounds should be carefully 

recognized, monitored and removed before the denitrification process. The sluggish 

kinetics between CO2·
- and N2O causes the accumulation of N2O in gas-phase product 

(70%). N2O is one major green-house gas. Future work will strive to transform N2O to N2 

by introducing reducing reagents that have high reactivity with N2O (e.g., hydrated 

electrons).  

The proposed process can also remove both nitrate and Cr(VI) in the spent IX 

regenerant brine despite its high ionic strength and concentration of interference 

constituents, compared with groundwater matrices. To avoid the accumulation of nitrite 

and reduce energy footprint, acidic pH was recommended for photochemical treatment. 

Post pH adjustment is required to induce the precipitation of Cr(III) as Cr(OH)3(s) with 

subsequent filtration. Photolysis of nitrate is the rate-determining step for the 

photochemical reduction process. However, the major photon output of conventional UV 

lamps (e.g., low-pressure and medium-pressure UV lamps) has poor overlap with the high 

absorption and photolysis quantum yield of nitrate (< 220 nm). In the practical applications, 

UV lamps with high photon flux below 220 nm (e.g., deuterium arc lamp and excimer 

lamps) are recommended to intensify nitrate photolysis. Given the enhanced photolysis of 

nitrate on water-air interface, aerosolization of spent brine is promising to further reduce 

energy consumption of treatment process. Operational and reaction parameters (e.g., the 

size of aerosol droplet and flow rate) should be optimized to improve the energy efficiency 

of the system. Prior to full implementation, pilot-scale test should be performed to evaluate 

the feasibility and the cost of the developed process. The full-scale reactor can be operated 
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either at batch reaction mode or continuous flow mode with lamp fully immersed in the 

bulky water. To reduce energy consumption, photons should be effectively trapped inside 

the reactor for full use. The configuration of the reactor should be designed to maximize 

the exposure of the solution to UV irradiation.  

Electrochemical investigation of the redox process of vanadium(V) species and their 

transformation products reveal that the speciation of vanadium(V) significantly impacts its 

reactivity and stability in aquatic environment. The complexation of vanadium(V) with 

phosphate changed the coordination and electron density of vanadium and therefore affect 

the reduction kinetics of vanadium(V) and stability of its transformation products. Future 

work can be conducted to investigate the impact of other environment-relevant ligands 

(e.g., bicarbonate and natural organic matters) on redox chemistry of vanadium(V) species 

and their transformation products. As the total discharge of vanadium into aquatic 

environment increases because of increasing demands of vanadium in industries, the 

findings in this research can help water facilities to design efficient treatment units to 

minimize their presence in drinking water. They can also help environmentalists and 

geochemists understand the interaction of vanadium with natural environment and its 

transformation under various aquatic and geological conditions. Furthermore, vanadium 

serves as building blocks in biological structures and plays an important functional role in 

proteins. The presence of different vanadate species in biological systems can impact the 

enzymatic activities and induce toxicity. These new findings on the redox properties of 

vanadium probably can help biologists to understand the metabolism of vanadium in the 

biological systems.   
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The electrochemical techniques developed in this research combined classical theories 

on static and rotating electrode and exhibited robustness to study physical and redox 

properties of vanadium(V) species and their transformation products. The application of 

this technique can be further expanded to other redox-reactive aquatic contaminants (e.g., 

selenate, halogenated organic compounds, etc.). For some contaminants with extremely 

slow electron-transfer kinetics and very unstable transformation products, this 

electrochemical technique cannot accurately extract their kinetic information because of 

limited current response on both disk and ring electrode. In this case, redox active 

mediators that have high electron-exchange rates with both electrode surface and the 

targeted contaminants can serve as indicator to study the kinetic behaviors of the targeted 

contaminants. Future studies will explore the feasibility of this strategy to unveil the redox 

properties of redox-inactive contaminants. 
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Text S2.1: Calculation of UV fluence in photocatalytic system 

UV fluence represents the total energy input to photocatalytic system. The fluence 

calculation took account of the wavelengths over the whole spectrum (Figure S2.1) even 

through some low-energy photons in the spectrum were not utilized by catalyst. It was 

calculated by equation S2.1: 

UV fluence (J/cm2)=Irradiance (W/cm2)×Light exposure time (s)            (S2.1) 

In this equation, the irradiance of the lamp is 42 mW/cm2 and light exposure time is 

the reaction time. 

Text S2.2: Surface area calculation 

The normalized surface area of TiO2 nanocrystals was calculated by equation S2.2:  

6000
=


S

d
        (S2.2) 

Where S is the normalized surface area of TiO2 nanocrystals (m2/g), ρ is the density 

of anatase TiO2 (3.8 g/cm3), and d is the diameter of TiO2 nanocrystals in suspension (10 

nm). 

Text S2.3: Single-Particle ICP-MS (SP-ICP-MS) analysis for TiO2 nanoparticles 

Fundamentals 

The size of TiO2 nanoparticles during Cr(VI) treatment was analyzed by SP-ICP-MS. 

This method has been applied to characterize metal colloids in aqueous solution 1, 2. Briefly, 

under appropriately short dwell time, constant flow rate and sufficiently low particle 

number concentration, each pulse of MS signal during the ICP-MS measurement can 
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represent a single particle event. The frequency of the pulses is proportional to the number 

concentration of particles and the intensity of the pulses is related to particle size 3. 

SP-ICP-MS analysis 

At predetermined intervals of reaction time, reaction suspension with synthesized TiO2 

nancrystals (50 mg/L) and Cr(VI) (initial concentration: 20 mg/L) was withdrawn from the 

UV reactor, diluted 5 million times and sonicated for 15 minutes. Well dispersed 

suspension of TiO2 nanocrytstals with a concentration of 10 ng/L was introduced to Agilent 

7700 series ICP-MS with time-resolved mode for particle size analysis. The duration of 

data acquisition for each sample is 60 seconds with a dwell time of 3 milliseconds. The 

sample flow rate was 0.36 mL/min. During SP-ICP-MS analysis, isotope Ti48 was 

monitored for TiO2 samples. 

Data processing 

An established procedure described previously was followed for data processing 4. 

Data points with very high intensity were first removed as outliers due to their skewed 

influence on the calculation of the mean intensity. Average intensity of entire data set plus 

five-fold standard deviation (µ+5б) was used as the threshold limit to differentiate particle 

event from background signals. An iterative algorithm was carried out to identify all 

particle events. In each iteration, data points with values higher than µ+5б were removed 

as particle events. New threshold limit was calculated from the remaining data points. The 

iteration was not ceased until no further data point could be removed from the remaining 

data points.  
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Particle size calculation 

The particle size was calculated from SP-ICP-MS analysis following the protocol 

described by pace et al 3. Transport efficiency was determined using 60 nm gold reference 

nanoparticles (PerkinElmer) based on previously described particle size method 3. 

Typically, monodispersed Au nanoparticles were used to create two-point calibration curve 

which related pulse intensity to particle mass. Dissolved Au standard was used to develop 

the second calibration curve. The transport efficiency is the ratio of the slope of dissolved 

calibration curve to the slope of two-point calibration curve.   

Dissolved Ti standard (Aristar Plus) was used to develop the calibration curve for 

sizing synthesized TiO2 nanocrystals. The relationship between the mass observed per 

event and Ti concentration was described by equation S2.3 3:  

W=ηqtdtC    (S2.3) 

Where W (μg/event) is the mass observed per event, η is transport efficiency which is 

defined as the ratio of the amount of Ti entering the plasma to the amount of Ti aspirated, 

tdt (millisecond/event) is the dwell time for each particle event, and C (μg/L) is the 

dissolved Ti standard concentration. 

Based on this relationship, a newly transformed calibration curve which related pulse 

intensity to total mass transported into plasma per event was developed 3. The particle mass 

mp (μg/event) was obtained by inserting the intensity of each individual pulse Ip to the 

equation of newly transformed calibration curve (equation S2.4) 3: 
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mp=fa
-1 [
((Ip-IBgd)ηi

) -b

m
]     (S2.4) 

Where fa is the mass fraction of Ti in TiO2 (60%), ηi is the particle ionization efficiency 

(100% was used as reported) 3 which is defined as the ratio of the ionization efficiency of 

synthesized TiO2 nanocrystals to the ionization efficiency of the corresponding dissolved 

Ti solution, IBgi (counts/event) is the background intensity, m and b are the slope and y-

intercept of the newly transformed calibration curve, respectively. 

Assuming a spherical geometry of nanoparticle, particle size was calculated with TiO2 

density ρ (4.2 g/cm3) based on equation S2.5 3:   

d= (
6mp

πρ
)

1
3

  (S2.5) 

Text S2.4: Particle size analysis for Cr(III) precipitates 

1 mg/L of Cr(VI) was treated by 50 mg/L of the synthesized TiO2 nanocrystals under 

UV irradiation. Cr(VI) and total chromium concentration were monitored throughout the 

reaction (Figure S2.10). For the solution without filtration, total chromium concentration 

was 1 mg/L. After filtration by membrane with pore size of 25 and 220 nm, total chromium 

concentration in the filtrate was measured, respectively. The increase of chromium 

concentration (ΔC1) from black square curve to red circle curve resulted from Cr(OH)3(S) 

passing through 25-nm membrane. The increase of chromium concentration from red circle 

curve to blue triangle curve (ΔC2) was ascribed to Cr(OH)3(s) with sizes between 25 and 

220 nm. The decrease of total chromium concentration (ΔC3) from orange star curve to 
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blue triangle curve was attributed to Cr(OH)3(s) removed by 220-nm membrane. The mass 

fraction of Cr(OH)3(s) within different particle size range was calculated by equation S2.6, 

2.7 and 2.8, 

1
1

1 2 3

100%
( )

C
F

C C C


= 

 +  + 
  (S2.6) 
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C
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 +  + 
  (S2.8) 

Where F1, F2 and F3 are the fraction of Cr(OH)3(s) with particle sizes smaller than 25 

nm, between 25 and 220 nm and greater than 220 nm, respectively.  

Text S2.5: Sherrer Equation 

τ = (kλ)/(βcosθ), where τ is the average crystalline domain size, k is the shape factor 

with a typical value of 0.9, λ is the X-ray wavelength, β is the line broadening full width at 

half maximum (FWHM) peak height of the (101) peak, and θ is the Bragg angle (12.640º).  

Text S2.6: Optimization of synthesis parameters 

The hydrolysis time during TiO2 synthesis was optimized because it impacted the 

content of DEG bonded on the TiO2 surface, which is central to the catalyst performance. 

Formation of Ti-O-C bonding organic complex by mixing Ti precursors and ethylene 

glycol has been reported previously 5-7. The Ti-DEG complex was used as a precursor to 

synthesize TiO2 via hydrolysis and condensation upon thermal treatment. TiO2 
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nanocrystals were generated from the hydrolysis and condensation of the Ti-DEG complex 

on the basis of the following reactions: 

4 2 2 2 2 2 2 2 2 4TiCl 4HOCH CH OCH CH OH Ti(OCH CH OCH CH OH) 4HCl+ → +     (S2.9)  

2 2 2 2 4 2 2 2 2 2 2Ti(OCH CH OCH CH OH) 2H O TiO 4HOCH CH OCH CH OH+ → +     (S2.10) 

Reaction S2.9 showed the formation of Ti-DEG complex. Reaction S2.10 represented 

the hydrolysis and condensation of the Ti-DEG complex. As reaction 10 proceeded, C-O-

Ti bonds in Ti-DEG complex were transformed to Ti-O-Ti bonds and TiO2 nanocrystals 

were formed with the time. As hydrolysis and condensation time increased, the number of 

DEG molecules bonded on the surface of TiO2 nanocrystals decreased and the degree of 

crystallization of TiO2 was improved.  

Table S2.1 summarized the impact of hydrolysis time on the performance of 

synthesized catalysts. As the hydrolysis time increased from 1.5 to 3 hours, the percentage 

of Cr(VI) removal after 20 min of reactions increased from 88% to 98%. Further increasing 

the hydrolysis time from 3 to 12 hours decreased Cr(VI) removal efficiency to 51%. As 

shown in Reaction S2.10, hydrolysis time was associated with the extent of TiO2 

crystallization and the number of DEG molecules bonded on TiO2. TiO2 had low 

crystalinity when synthesized with a short hydrolysis time, i.e., 1.5 hours. As a result, 

Photogenerated holes and electrons had a strong tendency to recombine and less electrons 

were available for Cr(VI) reduction 8. As the hydrolysis time increased, TiO2 nanocrystals 

became more crystalized, however, less DEG was chemically bonded on the TiO2 surface. 
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Therefore, there existed an optimal hydrolysis time of 3 hours. The Cr(VI) removal kinetics 

profile by catalysts synthesized with different hydrolysis time was shown in Figure S2.2.   

Text S2.7: Calculation of electron capacity 

The electron capacity (mole e-/g TiO2) of the synthesized TiO2 nanocrystals for the 

first 10 cycles was calculated through equation S2.11: 

EC=
ΔnCr(VI)×3

mTiO2

   (S2.11) 

Where ΔnCr(VI) represents the variation of molar number of Cr(VI) during the reaction, 

3 is the number of electron transferred from Cr(VI) to Cr(III), and mTiO2 is the mass of the 

synthesized TiO2 nanocrystals used.
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Table S2.1 Composition of the synthetic groundwater and Riverside tap water chemical 

matrixes. 9,10 

Species 

Synthetic 

groundwater 

(mg/L) 

Riverside  

tap water   

(mg/L) 10 

Species 

Synthetic 

groundwater 

(mg/L) 

Riverside  

tap water  

(mg/L) 10 

Hexavalent 

chroumium 
0.1 2.1E-3 a Sodium 13.6 43 

Nitrate 40.3 25 Potassium 3.9 3.0 

Chloride 13.1 33 Calcium 24.4 68 

Bicarbonate 37.9 87.8 Magnesium 6.0 10 

Sulfate 32.9 73 TOCc 4.5  0.2 

Silica 36.6 18 pH 8.0 7.6 

 

a Hexavalent chromium concentration in Riverside tap water was spiked to 0.1 mg/L prior to use 
b NOM: natural organic matter 
c TOC: total organic carbon 

 

Table S2.2 The effects of hydrolysis time during TiO2 synthesis on the performance of 

Cr(VI) removal. Reaction time=20 minutes, initial [Cr(VI)] =1 mg/L, TiO2 dosage = 50 

mg/L, pH = 7.0 with 6 mM phosphate buffer, and ionic strength =12 mM. 

DEG 

(mL) 

H2O 

(mL) 

TiCl4 

concentration 

(mM) 

Hydrolysis 

time 

(hour) 

Cr(VI) removal 

 (%) 

20 0.2 89 1.5 88±3 

20 0.2 89 3 98±2 

20 0.2 89 6 94±5 

20 0.2 89 9 88±4 

20 0.2 89 12 51±1 
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Figure S2.1 Spectra of the 450-W UV immersion lamp used for photochemical Cr(VI) 

reduction experiments. 
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Figure S2.2 The effect of hydrolysis time used for synthesizing TiO2 nanocrystals on the 

photocatalytic reduction of Cr(VI) under UV irradiation. Initial [Cr(VI)]=1 mg/L, TiO2 

dosage = 50 mg/L, and pH = 7.0 with 6 mM phosphate buffer. 
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Figure S2.3 Zeta potential of the synthesized TiO2 nanocrystals and P25 TiO2 at different 

pHs. pHs were controlled by phosphate buffer; ionic strength = 12 mM; TiO2 dosage = 50 

mg/L. 
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Figure S2.4 The photocatalytic removal of Cr(VI) under UV irradiation by TiO2 catalysts. 

pH = 7.0 with 6 mM phosphate buffer. (A) Initial [Cr(VI)] = 1 mg/L, surface area-based 

catalyst dosage = 7.8 m2/L; (B) Initial [Cr(VI)] = 50 mg/L, surface area-based TiO2 dosage 

= 78 m2/L 
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Figure S2.5 The effect of catalyst dosage on photocatalytic reduction of Cr(VI) with initial 

concentration of (A) 100 μg/L, (B) 1 mg/L and (C) 50 mg/L over the synthesized TiO2 

nanocrystals under UV irradiation. pH = 7.0 with 6mM phosphate buffer. 
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Figure S2.6 Impact of initial Cr(VI) concentration on surface area normalized second-

order rate constants of Cr(VI) removal by TiO2. pH = 7.0 with 6 mM phosphate buffer. 
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Figure S2.7 The LogC-pH diagram showing the solubility of chromium (total chromium) 

and the speciation of Cr(III) hydroxyl complexes in equilibrium with Cr(OH)3(s). 
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Figure S2.8 Optical photograph of the filters (pore size: 25 nm) after the filtration of 

Cr(VI)/TiO2 suspension at different durations of UV irradiance. Initial [Cr(VI)] = 20 mg/L, 

TiO2 dosage = 50 mg/L, and pH=7.0 with 6 mM phosphate buffer. 
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Figure S2.9 The variation of Cr(VI) and total chromium concentration with respect to 

reaction time. Initial [Cr(VI)] =1 mg/L, pH=7.0 with 6 mM phosphate buffer, and TiO2 

dosage=50 mg/L. ΔC1: the increase of chromium concentration from Cr(OH)3(S) through 

25-nm filter; ΔC2: the increase of chromium concentration from Cr(OH)3(s) with sizes 

between 25 and 220 nm; ΔC3: the decrease of total chromium concentration from Cr(OH)3(s) 

removed by 220-nm filter. 
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Figure S2.10 Fraction of the formed Cr(OH)3(s) within different particle size range as a 

function of reaction time. TiO2 dosage = 50 mg/L, initial [Cr(VI)] =1 mg/L, and pH=7 with 

6 mM phosphate buffer. 
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Figure S2.11 The effect of pH on the photocatalytic reduction of Cr(VI) over the 

synthesized TiO2 nanocrystals under UV irradiation. Initial Cr(VI) concentration and 

catalyst dosage: (A) 100 μg/L and 20 mg/L and (B) 20 mg/L and 50 mg/L. 
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Figure S2.12 The effect of pH on the photocatalytic reduction of Cr(VI) with initial 

concentration of (A) 1 mg/L and (B) 50 mg/L over the synthesized TiO2 nanocrystals under 

UV irradiation. TiO2 dosage = 50 mg/L 
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Figure S2.13 The change of Cr(VI) concentration and zeta potential of the synthesized 

TiO2 nanocrystals with reaction time. Ionic strength = 12 mM, initial [Cr(VI)] = 20 mg/L, 

TiO2 dosage = 50 mg/L, and pH=7.0 with 6 mM phosphate buffer. 
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Figure S2.14 Zeta potential of the synthesized Cr(OH)3(s) particles at different pHs. Ionic 

strength = 12 mM, Cr(OH)3(s) dosage = 200 mg/L, and pH was adjusted by phosphate 

buffer. 
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Figure S2.15 Particle size distribution at (A) 0 minutes, (B) 14 minutes, (C) 60 minutes, 

(D) 90 min, (E) 120 minutes, and (F) the variation of average particle size of the 

synthesized TiO2 nanocrystals and Cr(VI) concentration from 0 to 120 minutes. Initial 

[Cr(VI)] = 20 mg/L, TiO2 dosage = 50 mg/L, and pH = 7.0 with 6 mM phosphate buffer. 
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Figure S2.16 The electron capacity of the synthesized TiO2 nanocrystals as a function of 

cycle number. Initial [Cr(VI)]=20 mg/L, pH=2.7 with 0.2 M phosphate buffer, and TiO2 

dosage = 50 mg/L. 

 

0 2 4 6 8 10

0

20

40

60

80

100
 DI water 

 Synthetic groundwater

 Tap water

 

Time (Minutes)

[C
r
(V

I)
] 

(
g
/L

)

 

0 4 8 12 16 20 24

 
UV fluence (J/cm

2
)

 

 

Figure S2.17 The effect of water matrices on the photocatalytic reduction of Cr(VI) over 

the synthesized TiO2 nanocrystals under UV irradiation. Initial [Cr(VI)] = 100 μg/L, TiO2 

dosage = 50 mg/L, and pH = 7 with 6 mM phosphate buffer. 
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Figure S3.1 UV-vis absorption spectra of nitrate, nitrite and formate and output spectrum 

of medium pressure UV lamp. 

 

Table S3.1 Composition of the synthetic groundwater1 

Constituents 
Concentration 

(mg/L) 
Constituents 

Concentration 

(mg/L) 

Nitrate  28a Sodium 13.6 

Chloride 13.1 Potassium 3.9 

Bicarbonate 37.9 Calcium 24.4 

Sulfate 32.9 Magnesium 6.0 

Silica 36.6 DOM b 1.9c 

pH 8.0 

 

a Nitrate concentration was expressed as nitrogen  
b DOM: Suwannee River natural organic matter was used as dissolved organic matter  
c DOM concentration was expressed as total organic carbon 
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Text S3.1 Gas-phase nitrogen analysis 

For gaseous phase nitrogen analysis, photochemical denitrification in the presence of 

formate was carried out in a homemade gas-tight cylindrical reactor (70 mL) which 

contained 40 mL of reaction solutions. Prior to start, the headspace over the solution was 

repeatedly vacuumed and filled with helium gas five times to displace the air and then 

pressurized by helium gas at 7 psi in the last cycle. 2 mL of gas samples taken at irradiation 

time 0 and 6 hours from the headspace of the reactor was injected into gas chromatography 

(GC), respectively. The temperature and pressure before and after sampling ((T1, T2) and 

(P1, P2)) were monitored, respectively. The molar number of N2 in the gas samples (ns) was 

calculated based on its peak area of the GC spectra (Figure S3.7). Based on ideal gas law, 

the molar number of N2 in the headspace (n1) was calculated using Equation S3.1: 

n1= 
P1T2ns

(P1T2 - P12T1)
 (S3.1) 

The mole concentration of dissolved N2 in the solution was calculated based on 

Henry’s Law. It was negligible because the partial pressure in the headspace and Henry’s 

Law constant of N2 were very small. The molar concentration of N2 generated from 

denitrification process with respect to reaction solution ([N2], mM) was calculated using 

Equation S3.2: 

[N2]= 
n1

40 
  (S3.2)  

N2O formed was calculated based on the mass balance using Equation S3.3:  
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[N2O]=
(|∆[DN]|-2[N2])

2
  (S3.3) 

in which, [N2O] (mM) was the molar concentration of N2O, and Δ[DN] (mM) was the 

molar concentration change of total dissolved nitrogen.  

The fractions of N2 (F(N2)) and N2O (F(N2O)) generated during photochemical 

denitrification were calculated using Equations S3.4 and S3.5: 

F(N2)=
2[N2]

|∆[DN]|
×100%   (S3.4) 

F(N2O)=
2[N2O]

|∆[DN]|
×100%   (S3.5) 

Text S3.2 Kinetic modeling and optimization 

Kinetic modeling with parameter optimization was performed using chemical kinetic 

modeling software (Kintecus V6.01).2, 3 Specifically, all relevant reactions with rate 

constants collected from literatures were compiled in Kintecus program (Table S3.2). For 

13 protonation reactions in the model, they typically occur at diffusion-controlled rate. 

Those rate constants were assumed as 5×1010 M-1 s-1 as have been commonly used in the 

previous modeling.4, 5 The deprotonation reaction rates were calculated based on 

equilibrium constants and protonation rate constants. Other rate constants which cannot be 

measured directly or found in prior literature were obtained through fitting the 

experimental datasets using the kinetic model. The four photolysis rates of nitrate and 

nitrite in the model were fitted individually under the specific experimental condition to 

quantify the impacts of pH and DOM on the denitrification performance. The remaining 
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five unknown rate constants that do not vary with experimental conditions were obtained 

through a globally fitting with 27 experimental datasets (i.e., more than 210 data points) 

under nine different experimental conditions. If the fitted rate constants enable the model 

to well predict the reaction kinetics of the reactants and products, they will be utilized in 

the model for further uncertainty, sensitivity and principal component analyses. 

Specifically, an initial input with constrained optimization range was used as the starting 

values of rate constants that required fitting in the kinetic modeling. Powell method that is 

sensitive to optimization tolerance (the minimum difference between the experimental data 

and simulated data that must be met before the data is considered optimized) was chosen 

as optimization algorithm. Standard least square was chosen as the comparison operator to 

compare the experimental data and simulated data and return their difference to the 

optimizer. To assure sufficient optimization and avoid substantial optimization time, the 

optimization tolerance was set as 1×10-5. Uncertainty analysis was performed by Kintecus 

program by introducing 20% relative standard deviation (relative standard deviation should 

be less than 30% to avoid negative initial rate constants generated randomly by Gaussian 

distribution) to the fitted rate constants. 95% confidence interval was specified for the 

Kinetic program to calculate confidence band. 100 simulations were performed to gather 

the final average concentration and confidence predictions. Time profiles of average 

concentrations with 95% confidence intervals were eventually output form Kinetcus 

program.    
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Text S3.3 Principal component analysis 

Principal component analysis was performed with computer programs (Kintecus 

V6.01 & Atropos V 1.00).2, 3 Normalized sensitivity coefficient (NSC) of each reaction for 

certain species was calculated by Kintecus program using Equation S3.6 below:6 

NSC= (

∂[Species]
[Species]

∂ki

ki

)

kj≠i

= (
∂ln [Species]

∂lnki

)
kj≠i

  (S3.6) 

where [Species] is the concentration of certain species, ki is the rate constants of the 

targeted reaction. NSC reflects the influence of one reaction on certain species. Large 

positive NSC represents a significant source of certain species and large negative NSC 

represents a significant sink of that species.  

For one simulation run, the whole reaction time was evenly divided into 60 intervals 

and NSC matrix for each interval was calculated by Kinetcus program. A big NSC matrix 

(S) was constructed by combining NSC matrixes at all intervals. Principal component 

analysis is based on the eigenvalue-eigenvector of STS matrix by Atropos program and it 

provides an absolute measure of significant reactions out of detailed mechanism and 

mutual dependency of reactions. The reactions with significant entries in the eigenvectors 

(i.e., principal components) with the largest eigenvalues were the most influential. The 

appearance of significant values in the same principal components reflected the mutual 

dependency of the reactions. A safety factor of 0.5 was used in Atropos program to 

sufficiently eliminate the most of unimportant reactions in the kinetic model. A trial-and-

error method was further used to manually eliminate reactions that contributed negligibly 
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to the major reaction mechanism.  Importance of each reaction was determined by the 

analysis of principal components with top eigenvalues. Principal components with small 

eigenvalues (i.e., < 450 and absolute entries (i.e., < 0.01) were not displayed considering 

their negligible contribution to the analysis.  

 

 

 

Figure S3.2 Nitrate photolysis under the irradiation of medium-pressure UV lamp. [Nitrate] 

= 2 mM, and pH = 7 with 20 mM phosphate buffer. Markers represent the data from 

experiments; lines with shaded bands represent the predicted time profiles of the average 

concentrations with 95% confidence intervals from the kinetic modeling. 
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Figure S3.3 Photochemical denitrification in the presence of formate: (A) 1.9 mM, (B) 3.2 

mM, (C) 10.4 mM, and (D) 20.6 mM. [Nitrate] = 2.0 mM, and pH = 7 with 20 mM 

phosphate buffer. Makers represent the data from experiments; Lines with shaded bands 

represent the predicted time profiles of the average concentrations with 95% confidence 

intervals from the kinetic modeling 

 

 

Figure S3.4 Model-predicted concentrations of radical species formed during 

photochemical denitrification in the presence of formate. [Nitrate] = 2.0 mM, [Formate] = 

6.2 mM, and pH = 7 with 20 mM phosphate buffer. 
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Text S3.4 Calculation of cumulative contribution of different reaction pathways to 

the formation and consumption of certain species 

The cumulative contribution of different reaction pathways to the formation and 

consumption of specific species was calculated through the integration of their individual 

contribution at different reaction time through the whole reaction process. Take the 

contribution of HO·, NO2·, and CO3·
- to the formation of CO2·

- as an example. The 

concentrations of HO·, NO2·, and CO3·
- at different time were output from kinetic 

modeling (Figure S4) and the reaction rate constants were obtained from literatures or fitted 

through kinetic modeling. The relative contribution of HO·, NO2·, and CO3·
- to CO2·

- 

formation varies with the reaction time because their concentrations were changed over 

time. Cumulative contribution of HO·, NO2·, and CO3·
- to CO2·

- formation was calculated 

using Equation S3.7-S3.9, respectively. 

F(HO·)=
∑ kHO·[HO·]ti

[HCOO
-]ti(ti+1-ti)

n-1
i=0

(∑ kHO·[HO·]ti
[HCOO

-]ti
(ti+1-ti)

n-1
i=0 )+(∑ kNO2·[NO2·]ti

[HCOO
-]ti
(ti+1-ti)

n-1
i=0 )+(∑ kCO3

.-[CO3
.-]ti
[HCOO

-]ti
(ti+1-ti)

n-1
i=0 )

 ×100%   (S3.7)   

F(NO2·)=
∑ kNO2·[NO2·]ti[HCOO

-]ti(ti+1-ti)
n-1
i=0

(∑ kHO·[HO·]ti[HCOO
-]ti(ti+1-ti)

n-1
i=0 )+(∑ kNO2·[NO2·]ti[HCOO

-]ti(ti+1-ti)
n-1
i=0 )+(∑ kCO3

.-[CO3
.-]ti[HCOO

-]ti(ti+1-ti)
n-1
i=0 )

×100% (S3.8)   

F(CO3
.-)=

(∑ kCO3
.-[CO3

.-]ti[HCOO
-]ti(ti+1-ti)

n-1
i=0 )

(∑ kHO·[HO·]ti
[HCOO

-]ti
(ti+1-ti)

n-1
i=0 )+(∑ kNO2·[NO2·]ti

[HCOO
-]ti
(ti+1-ti)

n-1
i=0 )+(∑ kCO3

.-[CO3
.-]ti
[HCOO

-]ti
(ti+1-ti)

n-1
i=0 )

×100%    (S3.9)   

Where, 𝑘HO·, 𝑘NO2·, and 𝑘CO3.−are the rate constants of HO·, NO2·, and CO3·
- with 

formate, respectively; [HO ·]𝑡𝑖 , [CO3
.−]𝑡𝑖 , and [𝐻𝐶𝑂𝑂−]𝑡𝑖are the concentrations of HO·, 

NO2·, and CO3·
- at time 𝑡𝑖; n-1 is the total number of time point intervals over the whole 

reaction time. Similarly, cumulative contribution of different reaction pathways to the 

consumption of CO2·
- and HNO was calculated using the same procedure.  
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Figure S3.5 Model-predicted concentrations of dissolved oxygen and formate radical 

during photochemical denitrification in the presence of formate. [Nitrate] = 2.0 mM, 

[Formate] = 6.2 mM, and pH = 7 with 20 mM phosphate buffer. 
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Figure S3.6 Model-predicted cumulative contribution of HNO and CO2·
- to HNO 

consumption during photochemical denitrification in the presence of formate. [Nitrate] = 

2.0 mM, [Formate] = 6.2 mM, and pH=7 with 20 mM phosphate buffer. 

 

 

Figure S3.7 Gas chromatography spectra of gaseous product formed during nitrate 

photolysis in the presence of formate. [Nitrate] = 2.0 mM, [Formate] = 6.1 mM and pH = 

7 with 20 mM phosphate buffer. 
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Figure S3.8 Model-predicted time profiles of gaseous nitrogen formation during 

photochemical denitrification in the presence of formate. [Nitrate] = 2.0 mM, [Formate] = 

6.2 mM and pH = 7 with 20 mM phosphate buffer. 

 

Text S3.5 Calculation of theoretical formate-to-nitrate stoichiometry 

The reactions of formate and nitrate to form N2O and N2 were shown in Equation 

S3.10 and S3.11, respectively. At formate-to-nitrate molar ratio of 3.1, the final product 

distribution of gas-phase nitrogen is 70% of N2O and 30% of N2. The overall denitrification 

reaction can be written as Equation S3.12 through combing Equation S3.10 with Equation 

S3.11. Based on Equation S3.12, the theoretical formate-to-nitrate stoichiometry is 

determined as 2.2. 

2NO3
-

+ 4HCOO
-
+H2O→N2O+4CO2+6OH

-
    (S3.10) 

2NO3
-

+ 5HCOO
-
+H2O→N2+5CO2+7OH

-
    (S3.11) 

NO3
-

+ 2.15HCOO
-
+0.5H2O→0.15N2+0.35N2O+2.15CO2+3.15OH

-
    (S3.12) 
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Table S3.2 Reactions and rate constants for kinetic modeling 

No. Reactions Rate constants Ref. 

1 𝑁𝑂3
−  
ℎ𝜈
→ 𝑁𝑂2

∙  + 𝑂∙−     

1.7 × 10-4 s-1 (pH = 2) Fitted 

1.3 × 10-4 s-1 (pH = 7) Fitted 

9.0 × 10-5 s-1 (pH = 11) Fitted 

2 𝑁𝑂3
−  
ℎ𝜈
→ 𝑂𝑁𝑂𝑂−     

6.0 × 10-4 s-1 (pH = 2) Fitted 

4.6 × 10-4 s-1 (pH = 7) Fitted 

3.2 × 10-4 s-1 (pH = 11) Fitted 

3 𝑂𝑁𝑂𝑂− + 𝐻+  → 𝑂𝑁𝑂𝑂𝐻  5.0 × 1010 M-1 s-1 Assumed a 

4 𝑂𝑁𝑂𝑂−  → 𝑁𝑂. + 𝑂2
∙− 2.3 × 10-2 s-1 7 

5 𝑂𝑁𝑂𝑂−  → 𝑁𝑂2
∙  + 𝑂∙−  1.0 × 10-6 s-1 7 

6 𝑂𝑁𝑂𝑂− + 𝑂𝐻 
.  → 𝑁𝑂. +𝑂2 + 𝑂𝐻

− 5.0 × 109 M-1 s-1 8 

7 𝑂𝑁𝑂𝑂− +  𝐻𝐶𝑂𝑂−  
ℎ𝜈
→ 𝑂𝑁𝑂2

∙ +  𝐶𝑂2
∙− + 𝑂𝐻− 6.5 × 101 M-1 s-1 Globally Fitted 

8 𝑂𝑁𝑂𝑂− +   𝐶𝑂3
∙−  → 𝑁𝑂. +𝑂2 +  𝐶𝑂3

2− 7.7 × 106 M-1 s-1 9 

9 𝑂𝑁𝑂𝑂− +  𝐶𝑂2  → 𝑂𝑁𝑂𝑂𝐶𝑂2
− 3.0 × 104 M-1 s-1 10 

10 𝑂𝑁𝑂𝑂𝐶𝑂2
− → 𝑁𝑂3

− +  𝐶𝑂2   6.7 × 105 s-1 11 

11 𝑂𝑁𝑂𝑂𝐶𝑂2
− → 𝑁𝑂2

∙  +  𝐶𝑂3
∙−   3.3 × 105 s-1 11 

12 𝑂𝑁𝑂𝑂𝐶𝑂2
− → 𝑂𝑁𝑂𝑂− +  𝐶𝑂2  3.0 × 102 s-1 12 

13 𝑂𝑁𝑂𝑂𝐻 → 𝑂𝑁𝑂𝑂− + 𝐻+ 1.2 × 104 s-1 Calculated b 

14 𝑂𝑁𝑂𝑂𝐻 → 𝑁𝑂2
∙ + 𝑂𝐻 

.  3.5 × 10-1 s-1 7 

15 𝑂𝑁𝑂𝑂𝐻 → 𝑁𝑂3
− + 𝐻+ 9.0 × 10-1 s-1 7 

16 𝑁𝑂3
− +  𝐶𝑂2

∙−  →  𝑁𝑂3
2− + 𝐶𝑂2   2.9 × 103 M-1 s-1 Globally Fitted 

17 𝑁𝑂3
2− + 𝐻2𝑂 →  𝑁𝑂2

∙ + 2𝑂𝐻−  7.2 × 104 s-1 13 

18 𝑁𝑂3
2− + 𝐻2𝑃𝑂4

− → 𝐻 𝑃𝑂4
2−  +  𝑁𝑂2

∙ + 𝑂𝐻− 5.0 × 108 M-1 s-1 14 

16 𝑂∙− + 𝐻+  → 𝑂𝐻 
.     5.0 × 1010 M-1 s-1 Assumed 

17  𝑂𝐻 
.  →  𝑂∙− + 𝐻+   6.3 × 10-2 s-1 Calculated 

18 𝑂𝐻 
. +𝐻𝐶𝑂𝑂− →  𝐶𝑂2

∙− + 𝐻2𝑂 3.2 × 109 M-1 s-1 15 

19 𝑂∙− +𝐻𝐶𝑂𝑂− →  𝐶𝑂2
∙− + 𝑂𝐻− 1.4 × 109 M-1 s-1 16 

20 𝑂𝐻 
. + 𝐻𝐶𝑂𝑂𝐻 → 𝐻𝐶𝑂𝑂∙ + 𝐻2𝑂 1.3 × 108 M-1 s-1 15 

21 𝐻𝐶𝑂𝑂∙ →  𝐶𝑂2
∙− + 𝐻+ 2.0 × 109 s-1 Calculated 

22 𝐶𝑂2
∙− + 𝐻+ → 𝐻𝐶𝑂𝑂∙  5.0 × 1010 M-1 s-1 Assumed 

23 𝐶𝑂2
∙− + 𝑂2  →  𝐶𝑂2  +  𝑂2

∙− 2.4 × 109 M-1 s-1 17 

24 𝐶𝑂2
∙− + 𝐶𝑂2

∙−  →  𝐶2𝑂4
2− 6.5 × 108 M-1 s-1 18 

25 𝐶2𝑂4
2− + 𝑂𝐻 

.  →  𝐶𝑂2
∙− + 𝐶𝑂2  + 𝑂𝐻

− 7.7 × 106 M-1 s-1 19 

26 𝐶2𝑂4
2− + 𝐻+ → 𝐻𝐶2𝑂4

− 5.0 × 1010 M-1 s-1 Assumed 

27 𝐻𝐶2𝑂4
−  → 𝐶2𝑂4

2− + 𝐻+  5.0 × 106 M-1 s-1 Calculated 

28 𝑁𝑂2
∙ + 𝐻𝐶𝑂𝑂−  →  𝑁𝑂2

− +  𝐶𝑂2
∙− + 𝐻+  5.0 × 105 M-1 s-1 Globally Fitted 

29 𝑁𝑂2
∙ + 𝐻𝐶𝑂𝑂𝐻 →  𝑁𝑂2

− + 𝐻𝐶𝑂𝑂∙ + 𝐻+  5.0 × 104 M-1 s-1 Globally Fitted 

30 𝑁𝑂2
∙ + 𝑁𝑂2

∙  →  𝑁2𝑂4 4.5 × 108 M-1 s-1 20 

31 𝑁𝑂2
∙ + 𝐶𝑂2

∙−  →  𝑁𝑂2
− + 𝐶𝑂2   6.0 × 109 M-1 s-1 21 
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32 𝑁𝑂2
∙ + 𝑂𝐻 

.  →  𝑂𝑁𝑂𝑂𝐻   4.5 × 109 M-1 s-1 22 

33 𝑁𝑂2
∙ + 𝑂𝐻 

.  →  𝑁𝑂3
− + 𝐻+   4.5 × 109 M-1 s-1 14 

34 𝑁𝑂2
∙ + 𝐻𝑂2

∙  →  𝑂𝑂𝑁𝑂𝑂𝐻   1.8 × 109 M-1 s-1 23 

35 𝑁𝑂2
∙ + 𝑂2

∙−  →  𝑂𝑂𝑁𝑂𝑂−   4.5 × 109 M-1 s-1 23 

36 𝑂𝑂𝑁𝑂𝑂− +𝐻+  →  𝑂𝑂𝑁𝑂𝑂𝐻   5.0 × 1010 M-1 s-1 Assumed 

37 𝑂𝑂𝑁𝑂𝑂−  →  𝑁𝑂2
− + 𝑂2 1.35 s-1 7 

38 𝑂𝑂𝑁𝑂𝑂−  →  𝑁𝑂2
∙ + 𝑂2

∙− 1.05 s-1 7 

39 𝑂𝑂𝑁𝑂𝑂−  + 𝑂𝐻 
.  →  𝑁𝑂2

∙ + 𝑂2 + 𝑂𝐻
−  1.0 × 109 M-1 s-1 11 

40 𝑂𝑂𝑁𝑂𝑂𝐻 →  𝑂𝑂𝑁𝑂𝑂− +𝐻+   7.9 × 104 s-1 Calculated 

41 𝑂𝑂𝑁𝑂𝑂𝐻 →  𝑁𝑂2
∙ + 𝐻𝑂2

∙    2.6 × 10-2 s-1 7 

42 𝑂𝑂𝑁𝑂𝑂𝐻 →  𝐻𝑁𝑂2 + 𝑂2  7.0 × 10-4 s-1 11 

43 𝑂𝑂𝑁𝑂𝑂𝐻 + 𝑂𝐻 
.  →  𝑁𝑂2

∙ + 𝑂2 + 𝐻2𝑂 1.0 × 107 M-1 s-1 11 

44 𝑂2
∙− + 𝐻+  →  𝐻𝑂2

∙    5.0 × 1010 M-1 s-1 Assumed 

45 𝐻𝑂2
∙ → 𝑂2

∙− + 𝐻+ 7.9 × 105 s-1 Calculated 

46 𝐻𝑂2
∙  +  𝐻𝑂2

∙ → 𝐻2𝑂2 + 𝑂2   8.3 × 105 M-1 s-1 24 

47  𝑁2𝑂4 →   𝑁𝑂2
∙ +𝑁𝑂2

∙  6.9 × 103 s-1 21 

48  𝑁2𝑂4  +  𝐻2𝑂 →   𝑁𝑂3
− + 𝑁𝑂2

− + 2𝐻+ 1.0 × 103 s-1 25 

49 𝑁𝑂2
−
ℎ𝜈
→  𝑁𝑂∙ + 𝑂∙−    

7.9 × 10-4 s-1 (pH = 7) Fitted 

3.9× 10-4 s-1 (pH = 11) Fitted 

50 𝑁𝑂2
− +  𝐶𝑂2

∙−  →  𝑁𝑂2
2− + 𝐶𝑂2   1.0 × 103 M-1 s-1 Globally fitted 

51 𝑁𝑂2
− + 𝑂2

∙−  →  𝑁𝑂2
2− +𝑂2   5.0 × 106 M-1 s-1 26 

52 𝑁𝑂2
− + 𝐻𝑂2

∙  →  𝑁𝑂2
2− + 𝑂2 + 𝐻

+ 5.0 × 106 M-1 s-1 26 

53 𝑁𝑂2
2− + 𝐻2𝑂 →  𝑁𝑂

∙ + 2𝑂𝐻−  4.3 × 104 s-1 27 

54 𝑁𝑂2
− + 𝑂𝐻 

.  →  𝑁𝑂2
∙ + 𝑂𝐻− 5.3 × 109 M-1 s-1 14 

55 𝑁𝑂∙ +  𝑁𝑂2
∙  →  𝑁2𝑂3  1.1 × 109 M-1 s-1 28 

56 𝑁𝑂∙ +   𝐶𝑂2
∙− →  𝑁𝑂𝐶𝑂2

−  2.9 × 109 M-1 s-1 29 

57 𝑁𝑂∙ +   𝑁𝑂𝐶𝑂2
− → 𝑁2𝑂2

− +  𝐶𝑂2   6.8 × 106 M-1 s-1 29 

58 𝑁𝑂∙ +  𝑁2𝑂2
− → 𝑁3𝑂3

−   2.2 × 109 M-1 s-1 30 

59 𝑁𝑂∙ +   𝑁𝑂∙ + 𝑂2 →  𝑁𝑂2
∙ + 𝑁𝑂2

∙    2.3 × 106 M-2 s-1 31 

60 𝑁𝑂∙ +  𝑂𝐻 
. →  𝐻𝑁𝑂2    6.0 × 109 M-1 s-1 32 

61 𝑁𝑂∙ + 𝐻𝑂2
∙ →  𝑂𝑁𝑂𝑂𝐻    3.2 × 109 M-1 s-1 33 

62 𝑁𝑂∙ + 𝑂2
∙− →  𝑂𝑁𝑂𝑂−   4.3 × 109 M-1 s-1 33 

63 𝑁𝑂∙ + 𝑁𝑂− →  𝑁2𝑂2
−  1.7 × 109 M-1 s-1 30 

64 𝐻𝑁𝑂2 → 𝐻
+ + 𝑁𝑂2

− 7.9 × 106 s-1 Calculated 

65 𝐻+ + 𝑁𝑂2
− →  𝐻𝑁𝑂2  5.0 × 1010 M-1 s-1 Assumed 

66 𝐻𝑁𝑂2
ℎ𝜈
→   𝑁𝑂∙ + 𝑂𝐻 

.  2.5 × 10-3 s-1 (pH = 2) Fitted 

67 𝑁2𝑂3  →  𝑁𝑂
∙ +  𝑁𝑂2

∙   8.1 × 104 s-1 28 

68 𝑁2𝑂3  +  𝑂𝑁𝑂𝑂
−  →  𝑁𝑂2

∙ +  𝑁𝑂2
∙  +  𝑁𝑂2

−  3.1 × 108 M-1 s-1 7 

69 𝑁2𝑂3 + 𝐻2𝑂 →   𝑁𝑂2
− +𝑁𝑂2

− + 2𝐻+  
9.9 × 103 s-1 (pH = 2) 7 

1.8 × 104 s-1 (pH = 7) 7 
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1.2 × 105 s-1 (pH = 11) 7 

70 𝑁2𝑂2
−  →  𝑁2𝑂 + 𝑂

∙−  3.5 × 102 s-1 32 

71 𝑁2𝑂2
−  →  𝑁𝑂∙ + 𝑁𝑂− 6.6 × 104 s-1 30 

72 𝑁2𝑂2
−  +  𝑁𝑂∙ → 𝑁3𝑂3

− 2.2 × 109 M-1 s-1 30 

73 𝑁2𝑂2
−  +  𝐻+ →  𝐻𝑁2𝑂2  8.7 × 109 M-1 s-1 Calculated  

74 𝐻𝑁2𝑂2 → 𝑁2𝑂2
−  + 𝐻+  5.5 × 106 s-1 32 

75 𝐻𝑁2𝑂2 → 𝐻𝑁𝑂 +𝑁𝑂
∙ 2.7 × 104 s-1 32 

76 𝐻𝑁2𝑂2  +  𝑁𝑂
∙ →  𝐻𝑁3𝑂3 8.0 × 106 M-1 s-1 32 

77 𝑁3𝑂3
−   →  𝑁𝑂2

− + 𝑁2𝑂   2.4 × 102 s-1 32 

78 𝑁3𝑂3
−   +   𝐻+ → 𝐻𝑁3𝑂3   5.0 × 1010 M-1 s-1 Assumed 

79 𝐻𝑁3𝑂3   →  𝑁3𝑂3
−   +   𝐻+   3.9 × 107 s-1 Calculated 

80 𝐻𝑁3𝑂3   →  𝐻𝑁𝑂2   +   𝑁2𝑂 1.6 × 104 s-1 32 

81 𝑁𝑂− + 𝑂2   →  𝑂𝑁𝑂𝑂
− 2.7 × 109 M-1 s-1 30 

82 𝑁𝑂− + 𝐻2𝑂  →  𝐻𝑁𝑂 + 𝑂𝐻
− 1.2 × 102 s-1 30 

83 𝐻𝑁𝑂 + 𝑂𝐻−  →  𝑁𝑂− + 𝐻2𝑂  4.9 × 104 s-1 Calculated 

84 𝐻𝑁𝑂 +   𝑁𝑂∙  →  𝐻𝑁2𝑂2 5.8 × 106 M-1 s-1 30 

85 𝐻𝑁𝑂 +  𝐶𝑂2
∙−  +  𝐻2𝑂 → 𝐻𝑁2𝑂

∙ +  𝐶𝑂2 +𝑂𝐻
−  1.3 × 107 M-1 s-1 34 

86 𝐻𝑁𝑂 +  𝐻𝑁𝑂 →  𝑁2𝑂 + 𝐻2𝑂 8.0 × 106 M-1 s-1 30 

85 𝑁2𝑂 +  𝐶𝑂2
∙− + 𝐻2𝑂 →  𝑁2 + 𝑂𝐻 

∙ + 𝑂𝐻− +  𝐶𝑂2  1.6 × 103 M-1 s-1 35 

87 𝐻𝑁2𝑂
∙ +𝐻𝑁2𝑂

∙  +  𝐻2𝑂 → 𝑁2 + 𝐻2𝑂 + 𝐻2𝑂 2.8 × 108 M-1 s-1 34 

88 𝐻𝑁2𝑂
∙ +  𝐶𝑂2

∙− + 𝐻2𝑂 →  𝑁𝐻2𝑂𝐻 + + 𝐶𝑂2 + 𝑂𝐻
− 1.0 × 106 M-1 s-1 34 

89 𝑁𝐻2𝑂𝐻 + 𝑂𝐻 
∙ → 𝐻𝑁2𝑂

∙ + 𝐻2𝑂 9.5 × 109 M-1 s-1 36 

90 𝑁𝐻2𝑂𝐻 +  𝐶𝑂2
∙− → 𝑁𝐻2𝑂𝐻

− + 𝐶𝑂2 2.7 × 102 M-1 s-1 34 

91 𝑁𝐻2𝑂𝐻
− +𝑁𝐻2𝑂𝐻

− → 𝑁𝐻3 + 𝑁𝐻2𝑂𝐻 + 2𝑂𝐻
− 1.0 × 109 M-1 s-1 34 

92 𝑁𝐻2𝑂𝐻
− + 𝐶𝑂2

∙− + 𝐻2𝑂 → 𝑁𝐻3 + 𝐶𝑂2 + 2𝑂𝐻
− 1.0 × 109 M-1 s-1 34 

93 𝑁𝐻3 + 𝑂𝐻 
∙ →  𝑁𝐻2

∙ + +𝐻2𝑂 9.7 × 107 M-1 s-1 37 

94 𝑁𝐻3 +𝐻
+ →  𝑁𝐻4

+ 5.0 × 1010 M-1 s-1 Assumed 

95 𝑁𝐻4
+ → 𝑁𝐻3 +𝐻

+ 2.8 × 101 s-1 Calculated 

96 𝑁𝐻2
∙ + 𝑂𝐻 

∙ → 𝑁𝐻2𝑂𝐻 9.5 × 109 M-1 s-1 38 

97 𝑁𝐻2
∙ + 𝐶𝑂3

∙− → 𝑁𝐻2𝑂
− + 𝐶𝑂2  1.5 × 109 M-1 s-1 38 

98 𝑁𝐻2
∙ + 𝑂2 → 𝑁𝐻2𝑂2

∙  3.0 × 108 M-1 s-1 38 

99 𝑁𝐻2
∙ + 𝑁𝑂∙ → 𝑁2 +𝐻2𝑂 1.1 × 1010 M-1 s-1 39 

100 𝑁𝐻2
∙ + 𝑁𝐻2

∙ → 𝑁2𝐻4 2.2 × 109 M-1 s-1 38 

101 𝑁𝐻2𝑂2
∙  +  𝑂2

∙−  →  𝑂𝑁𝑂𝑂− + 𝐻2𝑂 2.3 × 107 M-1 s-1 40 

102 𝐶𝑂2 + 𝑂𝐻
−  →  𝐻𝐶𝑂3

− 6.0 × 103 M-1 s-1 41 

103 𝐶𝑂2 + 𝐻2𝑂 →  𝐻2𝐶𝑂3 3.7 × 10-2 s-1 41 

104 𝐻2𝐶𝑂3  →  𝐶𝑂2 + 𝐻2𝑂 1.8 × 101 s-1 41 

105 𝐻2𝐶𝑂3  →  𝐻𝐶𝑂3
− + 𝐻+ 2.5 × 104 s-1 4 

106 𝐻2𝐶𝑂3  +  𝑂𝐻 
.   →  𝐶𝑂3

∙− + 𝐻2𝑂 + 𝐻
+ 1.0 × 106 M-1 s-1 42 

107 𝐻𝐶𝑂3
−  →  𝐶𝑂3

2− + 𝐻+ 2.5 s-1 4 
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108 𝐻𝐶𝑂3
−  + 𝑂𝐻 

.   →  𝐶𝑂3
∙− + 𝐻2𝑂 8.5 × 106 M-1 s-1 15 

109 𝐶𝑂3
2− + 𝐻+  →  𝐻𝐶𝑂3

− 5.0 × 1010 M-1 s-1 43 

110 𝐶𝑂3
2−  +  𝑂𝐻 

.   →  𝐶𝑂3
∙− + 𝑂𝐻− 3.9 × 108 M-1 s-1 15 

111 𝐶𝑂3
∙−  +  𝑁𝑂2

∙   →  𝐶𝑂2 +  𝑁𝑂3
− 1.0 × 109 M-1 s-1 44 

112 𝐶𝑂3
∙−  +  𝑁𝑂2

−   →  𝐶𝑂3
2− +  𝑁𝑂2

∙  4.0 × 105 M-1 s-1 44 

113 𝐶𝑂3
∙−  +  𝑁𝑂∙   →  𝐶𝑂2 +  𝑁𝑂2

− 3.5 × 109 M-1 s-1 29 

114 𝐶𝑂3
∙−  +  𝐻𝐶𝑂𝑂−   →  𝐶𝑂2

∙− +  𝐻𝐶𝑂3
− 1.1 × 105 M-1 s-1 45 

115 𝐶𝑂3
∙−  +  𝐻𝐶𝑂𝑂𝐻  →  𝐻𝐶𝑂𝑂∙ +  𝐻𝐶𝑂3

− 1.1 × 104 M-1 s-1 44 

116 𝐶𝑂3
∙−  +   𝐶𝑂2

∙−   →  𝐶𝑂3
2− +  𝐶𝑂2 5.0 × 107 M-1 s-1 46 

117 𝐶𝑂3
∙−  +   𝑂2

∙−   →  𝐶𝑂3
2− + 𝑂2 6.5 × 108 M-1 s-1 44 

118 𝑂𝐻 
.  +  𝑂𝐻 

.   →  𝐻2𝑂2 5.5 × 109 M-1 s-1 15 

119 𝑂𝐻 
.  +  𝐻𝑂2

∙   →  𝐻2𝑂 + 𝑂2 9.9 × 107 M-1 s-1 15 

120 𝑂𝐻 
.  + 𝑂2

∙−   →  𝑂𝐻− + 𝑂2 1.1 × 1010 M-1 s-1 15 

121 𝑂𝐻 
.  +  𝐻2𝑂2   →  𝐻𝑂2

∙ + 𝐻2𝑂 2.7 × 107 M-1 s-1 15 

122  𝐻𝐶𝑂𝑂− + 𝐻+  →  𝐻𝐶𝑂𝑂𝐻 5.0 × 1010 M-1 s-1 Assumed 

123  𝐻𝐶𝑂𝑂𝐻 →  𝐻𝐶𝑂𝑂− + 𝐻+ 8.5 × 106 M-1 s-1 Calculated 

124 𝐻3𝑃𝑂4  →  𝐻2𝑃𝑂4
− + 𝐻+ 4.0 × 108 s-1 Calculated 

125 𝐻2𝑃𝑂4
− + 𝐻+ →  𝐻3𝑃𝑂4 5.0 × 1010 M-1 s-1 Assumed 

126 𝐻2𝑃𝑂4
− → 𝐻 𝑃𝑂4

2−  +  𝐻+ 3.2 × 103 s-1 Calculated 

127 𝐻𝑃𝑂4
2−  +  𝐻+ → 𝐻2𝑃𝑂4

− 5.0 × 1010 M-1 s-1 Assumed 

128 𝐻𝑃𝑂4
2−  →  𝑃𝑂4

3−  +  𝐻+ 2.5 × 10-2 s-1 Calculated 

129 𝑃𝑂4
3−  +  𝐻+ →  𝐻𝑃𝑂4

2−  5.0 × 1010 M-1 s-1 Assumed 

130 𝑂𝐻 
.  +  𝐻2𝑃𝑂4

−   →  𝐻2𝑃𝑂4
∙ + 𝑂𝐻− 2.4 × 104 M-1 s-1 37 

131 𝑂𝐻 
.  +  𝐻𝑃𝑂4

2−   →  𝐻𝑃𝑂4
∙− + 𝑂𝐻− 1.5 × 105 M-1 s-1 37 

132  𝐻2𝑃𝑂4
∙  +  𝐻𝐶𝑂𝑂−  →  𝐻2𝑃𝑂4

− + 𝐶𝑂2
∙− 1.5 × 108 M-1 s-1 47 

133 𝐻𝑃𝑂4
∙−  +  𝐻𝐶𝑂𝑂−  →  𝐻𝑃𝑂4

2− + 𝐶𝑂2
∙− 2.5 × 107 M-1 s-1 47 

134 𝐻𝑃𝑂4
∙−  + 𝐻2𝑂2  →  𝐻𝑃𝑂4

2− +𝑂2
∙− + 2𝐻+ 2.7 × 107 M-1 s-1 48 

135 𝐻2𝑃𝑂4
∙  +  𝐻2𝑂2  →  𝐻2𝑃𝑂4

− + 𝑂2
∙− + 2𝐻+ 5.5 × 107 M-1 s-1 48 

136 𝐻2𝑃𝑂4
∙  →  𝐻𝑃𝑂4

∙− + 𝐻+ 6.3 × 104 s-1 47 

137 𝐻𝑃𝑂4
∙− + 𝐻+ → 𝐻2𝑃𝑂4

∙  5.0 × 1010 M-1 s-1 47 

138 𝐻2𝑂 →   𝐻
+ + 𝑂𝐻−  1.0 × 10-3 s-1 43 

139 𝐻+ + 𝑂𝐻− → 𝐻2𝑂    1.0 × 1011 M-1 s-1 43 

 

a Assumed:  the rates of protonation reactions are generally very rapid and are assumed as 5×1010 M-1 s-1 

b Calculated: the rates of deprotonation reactions were calculated using equilibrium constants multiplying 

protonation rate constants. 
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Figure S3.9 Fraction of light absorbed by nitrate, SRNOM, and formate at the initial stage 

of the reaction and output spectrum of medium-pressure UV lamp. [Nitrate] = 2.0 mM, 

[Formate] = 6.2 mM, [SRNOM] = 72 mg-C/L, and pH = 7 with 20 mM phosphate buffer. 
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Figure S3.10 Time profiles of nitrate decay in UV/formate systems at different 

concentrations of dissolved organic matter. [Nitrate] = 2.0 mM, [Formate] = 6 mM, and 

pH = 7 with 20 mM phosphate buffer. 
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Figure S3.11 Evolution of nitrite in UV/formate systems at different concentrations of 

dissolved organic matter. [Nitrate] = 2.0 mM, [Formate] = 6 mM, and pH = 7 with 20 mM 

phosphate buffer. 

 

Table S3.3 Impact of water chemical parameters of optimal formate-to-nitrate molar ratio 

 

 

 

 

 

 

 

 

 

 

 

Solution pH 
Dissolved organic 

matter (mg-C/L) 

Optimal Formate-to-nitrate 

molar ratio 

7 0 3.1 

7 1 2.8 

7 2 2.9 

7 5 2.8 

2 0 3.0 

11 0 3.0 

Synthetic groundwater 3.1 
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Figure S4.1 Speciation profiles of vanadium(V) as a function pH at the different 

vanadium(V) concentration: (A) 2 µM, (B) 20 µM, (C) 200 µM, (D) 2 mM, and (E) 20 

mM. [NaClO4] = 0.6 M, and ionic strength = 0.6 M. V10 is a combination of H3V10O28
3-, 

H2V10O28
4-, NaHV10O28

4-, Na2V10O28
4-, HV10O28

5- and NaV10O28
5-; V4 is a combination of 

V4O12
4- and HV4O13

5-; V2 is a combination of H2V2O7
2- and HV2O7

3-. 
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Figure S4.2 Predominance diagram of vanadium(IV) species as a function of pH. Total 

[vanadium(IV)] = 10 µM, [NaClO4] = 0.6 M, and ionic strength = 0.6 M. 
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Text S4.1 Reactions and equilibrium constants of vanadium(V) and vanadium(IV) 

species 

HVO4
2-+3H+↔VO2

++2H2O                                           (1)         logK1=15.89 

  10HVO4
2-+17H+↔H3V10O28

3- +12H2O                          (2)         logK2=150.38 

  10HVO4
2-+16H+↔H2V10O28

4- +12H2O                         (3)         logK3=145.70 

  10HVO4
2-+15H+↔HV10O28

5- +12H2O                          (4)         logK4=141.50 

  10HVO4
2-+15H++Na+↔NaHV10O28

4- +12H2O              (5)         logK5=143.68 

10HVO4
2-+14H++2Na+↔NaHV10O28

4- +12H2O            (6)        logK6=139.33 

10HVO4
2-+14H++Na+↔NaV10O28

5- +12H2O                 (7)        logK7=137.03 

  5HVO4
2-+5H+↔V5O15

5- +5H2O                                   (8)         logK8=52.02 

 4HVO4
2-+4H+↔V4O12

4- +4H2O                                   (9)        logK9=42.60 

   4HVO4
2-+3H+↔HV4O13

5- +3H2O                               (10)       logK10=42.60 

2HVO4
2-+2H+↔H2V

2
O7

2-+H2O                                   (11)       logK11=19.80 

2HVO4
2-+H+↔HV2O7

3-+H2O                                       (12)       logK12=10.20 

HVO4
2-+H+↔H2VO4
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Figure S4.3 Correlations between the cathodic peak current of vanadium (V) species and 

the square root of scan rates. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, and ionic 

strength = 0.6 M. The EC current at disk electrode potentials of 0.10, -0.54, -0.74, and -

1.15 V was taken for VO2
+, V10, V4 and HVO4

2-, respectively. 
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Text S4.2 Calculations of the electron-transfer number and diffusion coefficient 

The electron-transfer number (n) and diffusion coefficient of vanadium(V) species (D, 

cm/s) were calculated through combing the slope of Koutecky-Levich plots (Figure 4.4 in 

the main text) from Equation 1 with the slope from correlation of cathodic peak current vs. 

square root of scan rates (Figure S4.1) from Equations S4.2 below:1  

1

𝑖
=

1

𝑖𝐾
+

1

𝑖𝐷
=

1

𝑖𝐾
+

1

0.62𝑛𝐹𝐴𝐷2/3𝜔1/2𝜗−1/6𝐶0
                             (S4.1) 

𝐼𝑝 = (2.69 × 10
5)𝑛3/2𝐴𝐷1/2𝐶0𝑉

1/2                                   (S4.2) 

i is the current measured on the disk electrode (A), iK represents the kinetic current in 

the absence of diffusion limitation (A), iD is the diffusion current (A), F is Faradic constant 

(C/mol), A is the electrode surface area (cm2), ω is angular frequency of the rotation (s-1), 

υ is the kinematic viscosity of the solution (cm2/s), V is the scan rate (V/s) and C0 is the 

bulk concentration of vanadium(V) species (mol/cm3). 

Text S4.3 Calculations of rate constant, charge transfer coefficient and intrinsic rate 

constant 

The kinetic current of vanadium(V) reduction at different potentials was determined 

by the intercept of Koutecky-Levich plots (Figure S4.3 and Figure S4.4). The rate constant 

of vanadium(V) reduction (k) was further calculated from Equation 4.3:1 

k=ik/nFAC0                                    (S4.3) 

Where k is the rate constant at a targeted potential (cm/s), ik is the kinetic current of 

vanadium(V) reduction, n is the electron-transfer number, F is Faradic constant (C/mol), 
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A is the electrode surface area (cm2), and C0 is the bulk concentration of vanadium(V) 

species (mol/cm3). 

To obtain charge transfer coefficient (α), Tafel analysis was conducted on RRDE data 

of vanadium(V) reduction with rotation speed from 1600 to 2700 rpm (Figure S4.5 and 

Figure S4.6).  α was determined from the slope of the Tafel plots at three rotation speeds 

(Equation S4.4) and the average was taken in Table 2.2 of the main text,  

logi=logi0-
αnF

2.3RT
η                     (S4.4) 

Where i is the measured current (A), i0 is the exchange current (A), α is the charge 

transfer coefficient, n is the electron-transfer number, η is overpotential (the difference 

between applied potential and reduction onset potential, V), R is gas constant (J/(mol·K)), 

and T is the temperature (K). 

The intrinsic rate constants were calculated based on Bulter-Volmer electrode kinetics 

(Equation S4.5)1 

k0=k/ exp (-
αnFη

RT
)                            (S4.5) 

Where k0 is the intrinsic rate constant (cm/s), k is the rate constant at a targeted 

potential (cm/s), α is the charge transfer coefficient, n is the electron-transfer number, F is 

Faradic constant (C/mol), η is overpotential (the difference between applied potential and 

reduction onset potential, V), R is gas constant (J/(mol·K), and T is the temperature (K). 
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With multiple rate constants at different overpotentials and the average charge transfer 

coefficient, multiple intrinsic rate constants (k0) were calculated based on Equation S4.5. 

The average intrinsic rate constant was used in Table 2.2 of the main text. 
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Figure S4.4 Koutecky-Levich plots of linear sweep voltammetry of the reduction of 

vanadium(V) on a rotating gold ring-disk electrode: (A) VO2
+, (B) V10, (C) V4 and (D) 

HVO4
2-. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, and 

scan rate = 50 mV/s.  
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Figure S4.5 Koutecky-Levich plots of linear sweep voltammetry of the reduction of VO2
+

 

at pH=1 on a rotating gold ring-disk electrode in the presence of phosphate: (A) 1 mM, (B) 

5 mM, (C) 10 mM and (D) 20 mM. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, 

ionic strength = 0.6 M, and scan rate=50 mV/s.  
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Figure S4.6 Tafel plots of linear sweep voltammetry of the reduction of vanadium(V) on 

a rotating gold ring-disk electrode: (A) VO2
+, (B) V10, (C) V4 and (D) HVO4

2-. Total 

[vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, and scan rate= 50 

mV/s.  
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Figure S4.7 Tafel plots of linear sweep voltammetry of the reduction of of VO2
+

 at pH=1 

on a rotating gold ring-disk electrode in the presence of phosphate: (A) 1 mM, (B) 5 mM, 

(C) 10 mM and (D) 20 mM. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic 

strength = 0.6 M, and scan rate = 50 mV/s.  
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Text S4.4 Calculation of half-life of the intermediate products 

Half-life of the intermediate products of vanadium(V) was calculated based Equations 

S4.6 and 4.7.2 

N0

N
=1+1.28(

ν

D
)

1

3 (
k

ω
)                     (S4.6) 

t1/2=
ln2

k
                                          (S4.7) 

where N is the experimental collection efficiency, N0 is theoretical collection 

efficiency (24%), ν is the kinematic viscosity of the electrolyte (cm2/s), D is the diffusion 

coefficient of the intermediate products (cm2/s), ω is the rotation speed (rad/s), k is first-

order decay rate constant of the reduction product (s-1), and t1/2 is the half-life of the 

intermediate products (s).  
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Figure S4.8 Impact of rotation speed on the collection efficiency reduction products 

produced at a gold rotating ring-disk electrode. Total [vanadium(V)] = 20 mM, [NaClO4] 
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= 0.6 M, ionic strength = 0.6 M, scan rate = 50 mV/s, and ring potential was fixed at 1.3, 

1.0, 0.8, and 0.7 V for VO2
+, V10, V4 and HVO4

2-, respectively. 

 

 

0.0 0.3 0.6 0.9
-2400

-1800

-1200

-600

0

600

Ring

Disk

Background

 Electrolyte

Disk electrode potential (V vs. Ag/AgCl)

C
u

rr
en

t 
(

A
)

 0 mM

 1 mM

 5 mM

 10 mM

 20 mM

A

-0.8 -0.6 -0.4 -0.2 0.0 0.2 0.4

-600

-400

-200

0

200

Disk

Ring

Disk Electrode Potential (V vs. Ag/AgCl)
C

u
rr

en
t 
(

A
)

 0 mM

 1 mM

 5 mM

 10 mM

 20 mM

Background Electrolyte

B

 

-0.90 -0.75 -0.60 -0.45 -0.30 -0.15 0.00
-20

-15

-10

-5

0.0

0.2

0.4

0.6

0.8

1.0

1.2

C

Background Electrolyte

Disk electrode potential (V vs. Ag/AgCl)

C
u

rr
e
n

t 
(

A
) Ring

Disk
 0 mM

 1 mM

 5 mM

 10 mM

 20 mM

-1.2 -1.0 -0.8 -0.6 -0.4 -0.2

-200

-150

-100

-50

0

50

D

Background

 Electrolyte

Disk

Ring

Disk electrode potential (V vs. Ag/AgCl)

C
u

r
r
e
n

t 
(

A
)

 0 mM

 1 mM

 5 mM

 10 mM

 20 mM

 

Figure S4.9 Impact of phosphate on the linear sweep voltammetry of vanadium(V) at a 

rotating gold ring-disk electrode: (A) VO2
+, (B) V10, (C) V4 and (D) HVO4

2-. Total 

[vanadium(V)] = 20 mM, [NaClO4] = 0.6 M, ionic strength = 0.6 M, scan rate = 50 mV/s, 

rotation speed = 2400 rpm, and ring potential was fixed at 1.3, 1.0, 0.8, and 0.7 V for VO2
+, 

V10, V4 and HVO4
2-, respectively. 
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Figure S4.10 Predominance diagram of phosphate as a function of pH. Total [phosphate] 

= 20 mM, [NaClO4] = 0.6 M, and ionic strength = 0.6 M. 
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Figure S4.11 Impact of phosphate on the collection efficiency of the reduction products 

produced on a rotating ring-disk electrode. Total [vanadium(V)] = 20 mM, [NaClO4] = 0.6 

M, ionic strength = 0.6 M, rotation speed = 2400 rpm, scan rate = 50 mV/s, and Ring 

electrode potential was fixed at 1.5, 1.0, 0.8, and 0.7 V for VO2
+, V10, V4 and HVO4

2-, 

respectively.
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Figure S5.1 Spectrum of the 450-W UV immersion lamp used for photochemical treatment 

of the spent IX brine. 
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Figure S5.2 Impact of formate dosage on photochemical removal of total chromium in the 

spent IX regenerant brine. [Formate] = 5-120 mM, pH = 8.4-8.7, and the sample was 

filtered through 0.2-µm PVDF membrane before analysis.  
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Figure S5.3 Impact of initial pH on photochemical removal of total chromium in the spent 

IX regenerant brine. [Formate] + [Formic acid] = 40 mM. 
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Figure S5.4 The change of solution pH during photochemical treatment of the spent IX 

regenerant brine in the presence of formate. [Formate] + [Formic acid] = 160 mM. 
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Figure S5.5 Photochemical removal of toxic heavy metals in the spent IX brine in the 

presence of formate. [Formate] + [Formic acid] = 160 mM and initial pH = 3.4. 

 

 




