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Abstract 

This study investigates the potential impact of climate change on residual contaminants in vadose 

zones and groundwater. We assume that the effect of climate changes can be represented by 

perturbations in the natural recharge through the aquifer system. We perform numerical modeling 

of unsaturated/saturated flow and transport and consider different performance metrics: 

contaminant concentrations at observation wells and contaminant export at the site’s boundary. 

We evaluate the effect of increasing and decreasing recharge as well as the impact of potential 

failure of surface capping structures employed to immobilize vadose zone contaminants. Our 

approach is demonstrated in a real case study by simulating transport of non-reactive radioactive 

tritium at the U.S. Department of Energy’s Savannah River Site. Results show that recharge 

changes significantly affect well concentrations: after an initial slight dilution we identify a 

significant concentration increase at different observation wells some years after the recharge 

increase and/or the cap failure, as a consequence of contaminants’ mobilization. This effect is 

generally emphasized and occurs earlier as the recharge increases. Under decreased aquifers’ 

recharge the concentration could slightly increase for some years, due to a decrease of dilution, 

depending on the magnitude of the negative recharge shift. We identify trigger levels of recharge 

above which the concentration/export breakthrough curves and the time of exceedance of the 

Maximum Contaminant Level for tritium are remarkably affected. Moreover, we observe that the 

contaminant export at the control plane, identified as the risk pathway to the downgradient 
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population, may only be minimally affected by shifts in the natural recharge regime, except for  

some extreme cases. We conclude that more frequent sampling and in-situ monitoring near the 

source zone should be adopted to better explain concentrations’ anomalies under changing 

climatic conditions. Moreover, the maintenance of the cap is critical not only to sequester residual 

contaminants in the vadose zone, but also to reduce the uncertainty associated with future 

precipitation changes. Finally, realistic flow and transport simulations achieved through proper 

calibration processes, rather than conservative modeling, should be adopted to identify non-trivial 

trade-offs which enable better allocation of resources towards reducing uncertainty in decision 

making. 

 

1 Introduction 

Subsurface contamination is recognized as a critical issue in many communities. There are more 

than a thousand Superfund sites in the U.S. categorized under the U.S. Environmental Protection 

Agency (EPA), which present large plumes of organic solvents, heavy metals and radionuclides 

(US Environmental Protection Agency, https://www.epa.gov/superfund). In addition, the EPA 

estimated the presence of more than 450,000 brownfields in the U.S., contaminated by hazardous 

substances, pollutants or contaminants (US Environmental Protection Agency, 

https://www.epa.gov/brownfields). 

The practice of soil and groundwater remediation has been changing in recent decades, 

transitioning from intense soil removal and active treatment solutions towards passive remediation 

techniques such as enhanced biodegradation or monitored natural attenuation (Ellis and Hadley, 

2009). The latter less- intensive remediation approaches, often identified as sustainable 

remediation techniques, have been recognized as more advantageous since they can reduce 

negative side effects that often accompany intensive remediation (e.g., ecological disturbance, 

construction noise/traffic, intensive energy use and emissions of greenhouse gases). Additionally, 

sustainable remediation is coupled with more innovative and attractive end-use scenarios with 

restricted subsurface use and longer institutional control. In most cases, a portion of contaminants 

are sequestered in the subsurface for a long period of time, while natural or enhanced 

biogeochemical processes occur to reduce contaminant concentrations. Within this context, it is 

critical to assess the long-term stability of residual contaminants subject to sustainable remediation 
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practices and to ensure that the latter will not pose significant environmental and human health 

risk. 

Recently, O'Connell and Hou (2015a) raised the concern that climate change may pose a 

major risk in environmental remediation; especially with regard to the fate of residual 

contaminants under sustainable remediation. A hydrological shift has been identified as one of the 

key drivers influencing such risk and uncertainty. In changing climate, precipitation regimes 

(including amount and timing) are expected to change significantly, and extreme events, such as 

heavy rains and prolonged droughts, could become more frequent. Climate models also predict 

increasing temperatures, which would affect water budgets and reduce infiltration due to increased 

evapotranspiration. These climatic changes are occurring while groundwater is becoming 

increasingly important for drinking and irrigation purposes (Famiglietti, 2014). 

Despite the critical need to evaluate risks associated with climate change, there is only a 

limited number of studies that address the effects of climate change on contaminant transport and 

environmental remediation. While the impact of climate change has been investigated extensively 

from the perspective of water resources (Gellens and Roulin, 1998; Green et al., 2011; Middelkoop 

et al., 2001; Pfister et al., 2004), a limited number of studies have addressed water quality issues 

(Visser et al., 2012). Moreover, most literature focuses on surface water (Wilby et al., 2006; Van 

Vliet and Zwolsman, 2008; Van Bokhoven, 2006; Futter et al., 2009; Schiedek et al., 2007), due to 

its visibility and accessibility (Green et al., 2011), while the studies on groundwater are mostly 

focused on agricultural effluents at the regional scale (Bloomfield et al., 2006; Futter et al., 2009; 

Li and Merchant, 2013; Olesen et al., 2007; Sjoeng et al., 2009; Whitehead et al., 2009; Wilby et 

al., 2006; Darracq et al., 2005; Destouni and Darracq, 2009; Park et al., 2010). Current literature 

lacks site-scale hydrological studies that can guide sustainable remediation under changing 

climate conditions within risk and performance assessments as well as within regulatory 

frameworks. 

This study aims at evaluating the effects of climate-driven hydrological shifts on residual 

contaminants in vadose zones and groundwater under sustainable remediation. We simulate 

groundwater flow and contaminant transport through unsaturated and saturated domains. We 

assume that the effect of changing precipitation and temperature can be represented by 

perturbations/shifts of natural recharge through the aquifer system. The impacts are evaluated on 

the basis of different decision metrics relevant to public health risk, regulatory compliance and site 
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closure such as contaminant concentrations at monitoring wells and exports from site boundaries. 

We demonstrate our approach at the Department of Energy (DOE)’s Savannah River Site (SRS) 

F-Area Seepage Basins, South Carolina (SC), USA, where soil and groundwater were 

contaminated by various metals and radioactive contaminants during the Cold War Era. For 

brevity, the F-Area Seepage Basins are referred to hereafter as just F-Area. Extensive subsurface 

characterization and dataset at the SRS F-Area, including hundreds of wells, geophysics data and 

various hydrological tests, enabled the development of a subsurface model that can be considered 

as a testbed for flow and transport studies (Flach, 2004; Bea et al., 2013; Sassen et al., 2012; 

Wainwright et al., 2014; Dai et al., 2002). The SRS hence provides a unique opportunity to 

investigate the potential consequences of climate change on residual contamination in realistic 

settings that display multiple representative features of other polluted sites. 

 

2 Background 

2.1 Conceptual model 

We consider a general conceptual hydrological model of a contaminated site characterized by 

residual contamination in the vadose zone and groundwater (Figure 1). This model extends to the 

SRS F-Area (Bea et al., 2013), the description of which is provided in Section 2.2. Initially, 

contaminants are discharged through a seepage basin located on the top of the model domain. The 

contaminant plume migrates vertically through the vadose zone, and laterally downgradient in the 

aquifer. At some sites, the plume reaches surface water bodies (e.g., a creek or a river) located 

close to the site boundary, through water seepage. In order to reduce contaminant migration 

through the vadose zone, the contaminant source zone (i.e., seepage basin) is often capped with 

low-permeability material, such as clay or silt. However, residual contaminants located in the 

vadose zone could become a persistent contaminant source to the groundwater plume (Zachara et 

al., 2013), as shown in Figure 1. 

 

Figure 1: Schematic illustration of the hydrological conceptual model under investigation, 

representing a vertical two-dimensional cross-section driven along the middle line of the 

contaminant source zone. 
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Contaminant concentrations are typically measured at groundwater monitoring wells to 

ensure the plume stability and to meet the regulatory compliance. The number of wells and 

frequency of sampling (e.g., quarterly or annually) are determined in agreement with a regulatory 

agency (e.g., the EPA). Concentrations are often compared to the Maximum Contaminant Level 

(MCL) recommended by the EPA. Predicting the time of exceedance of MCL, for example, is an 

important Environmental Performance Metric (EPM) to plan the site closure or site transfer 

(Denham and Eddy-Dilek, 2017). In parallel, risk (and/or performance) assessments consider a 

variety of metrics and pathways, including contaminant mass flux/export at control planes (CPs), 

e.g., site boundaries, creeks or rivers (Maxwell and Kastenberg, 1999; de Barros and Rubin, 2008; 

de Barros et al., 2009; 2012; Atchley et al., 2013). On-site concentrations are often used to evaluate 

human health risk doses through direct ingestion/drinking pathways, while the export at CPs are 

employed to quantify risk of the downgradient population. 

The changes in precipitation and temperature associated with climate change are expected 

to affect contaminant plumes in groundwater systems and residual contaminants in the vadose 

zone in a complex manner. This impact can be evaluated by considering a perturbation/shift of the 

natural recharge through an aquifer in a long or short time frame (O'Connell and Hou, 2015b). For 

example, an increase in precipitation results in higher aquifer recharge, while a decrease in 

precipitation, or higher temperature, hence increased evapotranspiration, leads to lower aquifer 

recharge. Higher recharge then (1) increases vadose-zone flow, which mobilizes sequestered 

contaminants, (2) raises the groundwater table and increases hydraulic gradients, resulting in 

enhanced plume mobility in groundwater, and (3) enhances mixing of the plume with clean water, 

which leads to higher dilution. On the other hand, a decrease of recharge has opposite effects, i.e, 

decreases the plume mobility while reducing mixing and dilution. The impact of climate 

change-driven altered recharge rates on different decision and performance metrics relevant to 

environmental remediation could potentially create trade-offs that should be quantitatively 

evaluated. 

 

2.2 F-Area site description 

The SRS is located in South-central South Carolina, USA, approximately 100 mi (i.e., 161 km) 

away from the Atlantic Ocean and occupies an area of about 800 km 2 . The site was used to 

produce nuclear materials such as plutonium and tritium ( 3 H ), for nuclear weapons during the 
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Cold War Era. The F-Area, located in the north-central part of the SRS, included three unlined 

discharge basins: F-1, F-2 and F-3 (Bea et al., 2013). The basins received approximately 7.1 billion 

liters of acidic, low-level radioactive waste solutions from processing irradiated uranium between 

1955 and 1988 (Flach et al., 2004; Killian et al., 1986). The waste solution presented various 

radionuclides such as uranium isotopes, 90 Sr, 129 I and 99 Tc, among which 3 H , is the largest 

dose contributor. After the waste discharge operation was terminated in 1988, the F-Area basins 

were closed and capped with low-permeability material (Bea et al., 2013). Currently, an acidic 

contaminant plume extends from the basins approximately 600 m downgradient to the 

groundwater seepage near the Fourmile Branch (Bea et al., 2013). Enhanced natural attenuation is 

currently under way using a funnel-and-gate system which consists of groundwater flow barriers 

to decrease the groundwater gradient, and base injection to neutralize pH and to immobilize 

uranium (Tokunaga et al., 2012). 

Hydrogeology at this site has been characterized extensively in many studies (Flach et al., 

2004; Bea et al., 2013; Sassen et al., 2012; Wainwright et al., 2014). There are three 

hydrostratigraphic units within the Upper Three Runs Aquifer: an Upper Aquifer zone (UUTRA), 

a Tan Clay Confining Zone (TCCZ), and a Lower Aquifer zone (LUTRA). The UUTRA and 

LUTRA are mainly composed by clean sand, while the TCCZ is a lo w-permeable mixed 

sand-and-clay layer. The piezometric head measurements indicate that the UUTRA and LUTRA 

units are hydrologically connected. The bottom of the LUTRA consists of a competent clay layer 

confining unit, the continuous Gordon Confining (GC) unit, which separates the deeper aquifer 

(Gordon Aquifer) from the upper two units. The historical monitoring data collected at the SRS 

have shown that the contaminant plume migrates within the UUTRA and LUTRA (Sassen et al., 

2012). 

 

3 Methodology 

3.1 Flow and transport simulations 

We employ the two-dimensional (2D) flow and transport model adopted in Bea et al. (2013), i.e., a 

2D domain approximately 2600 m long and 100 m deep along the groundwater flow line, passing 

through the middle of the F-3 basin of the SRS. This model has been calibrated and verified using 

site data (Bea et al., 2013). Figure 2 illustrates the 2D cross-section model domain. 
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Hydrostratigraphic 

Unit 

Porosity 

  [ ]  

Permeability 

k  [m 2 ] 

  [kg 1  

m s 2 ] 

n  [ ]  m  [ ]  
rlS  [ ]  p  [ ]   

UUTRA 0.39 125 10  
44 10  2 0.5 0.18 1  

TCCZ 0.39 141.98 10  
55.1 10  2 0.5 0.39 1  

LUTRA 0.39 125 10  
55.1 10  2 0.5 0.41 1  

Table 1: Parameters adopted in the numerical model presented in this study. The table reports 

values for porosity (  [ ] ), permeability ( k  [m 2 ]), water retention-curve parameters (  [kg 1  

m s 2 ], n  [ ] , m  [ ] ), residual liquid pore saturation (
rlS  [ ] ), Mualem (1976) parameter ( p  

[ ] ) (for details, see Bea et al., 2013). 

 

The model includes the vadose zone and three hydrostratigraphic units (i.e., UUTRA, 

LUTRA and TCCZ) defined in Section 2.2. We assume homogeneous average hydrogeological 

properties within each unit (see Table 1), whose values are compiled from available site 

investigation reports. Table 1 specifies porosity, permeability and capillary pressure/saturation 

data for the vadose zone (Flach et al., 2004; Phifer et al., 2006; Bea et al., 2013). Please refer to 

Appendix A of Bea et al. (2013) for the parameters description. The system is considered to be 

advective dominated, therefore mechanical dispersion and molecular diffusion transport processes 

are neglected. We simulate simple 3 H  decay with a half- life of 12.3 years. No-flow boundary 

conditions are assigned along the two vertical sides of the 2D-cross section (see Figure 2) 

according to the groundwater divides (Flach, 2004; Bea et al., 2013). An impervious flow 

boundary condition (i.e. no-flow) is set at the bottom of the computational domain, since the 

confining unit at this location is highly clayey and continuous (Bea et al., 2013). 

 

Figure 2: Two-dimensional model domain adopted in our study. 

 

Groundwater flow and contaminant transport are simulated by means of the numerical 

code Amanzi which describes coupled vadose zone and groundwater flow as well as reactive 

transport (Freshley et al., 2012; Bea et al., 2013; Wainwright et al., 2015; Wainwright et al., 2016). 

Amanzi uses the mimetic finite difference method for the Richards equation and dispersion 
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operators, which preserves fundamental mathematical and physical properties in discrete schemes 

(da Veiga et al., 2014). To discretize the advection operator, it uses monotone first-order and 

second-order MUSCL schemes with new limiters that improve accuracy on unstructured meshes 

(Lipnikov et al., 2010). Amanzi has been benchmarked against other flow and transport models as 

well as analytical solutions for a wide range of hydrological problems. 

We perform numerical simulations within the time frame 1955-2100, i.e., from the 

beginning of the discharge operation at the SRS. Our model is discretized into 164160 cells and we 

adopt a longitudinal mesh spatial resolution of 1.25 m and a variable vertical spatial resolution, 

with a maximum value of 2 m. A steady-state simulation is carried out to establish the groundwater 

table with a given recharge value at the top of the modeled domain of 4.74
610  mm/s (i.e., 150 

mm/yr) before 1955. This value represents the estimated recharge based on the rainfall records and 

runoff estimations (Flach et al., 2004), which is kept constant over the entire domain for all the 

simulation timeframe, except for the discharge basin. After 1955, we perform transient simulations 

employing a constant 3 H  discharge value at the seepage basin between 1955 and 1988. The 

average 3 H  concentration and mass discharge rate are respectively 2.17
910  mol/kgw and 

around 1.11
410  mm/s, as in Bea et al.  (2013). These values coincide with the average 3 H  

concentration and discharge rate of historical data between 1955 and 1988 (see Table 8 of Bea et 

al. (2013)). After the basin is capped in 1988, the recharge through the basin is assumed to be 

three-order of magnitude lower than the value of the surrounding regions for all the simulations 

performed in our study. These recharge values are identified as baseline recharge conditions in our 

study. 

We model different recharge scenarios which present increased or decreased recharge 

values with respect to the baseline recharge conditions described above. We analyze the impact of 

recharge shifts on different decision (or performance) metrics: the temporal evolution of 3 H  

concentration at the same two observation wells of Bea et al. (2013), shown in Figure 2: (1) the 

source-zone UUTRA well (FSB95D) and (2) the downgradient UUTRA well (FSB110D). Both 

wells span the upper aquifer. Please note that we computed the contaminant concentration by 

taking the average value of the concentration reported at a set of observation points equally spaced 

within a given well in the upper aquifer. In addition, we evaluate the 3 H  export at the CP to the 

Fourmile Branch Creek (see Figure 2), which is the main risk pathway at this site. The CP is 

defined at the seepage face (indicated in Figure 2) where the groundwater flow reaches the surface. 
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The concentrations are compared with the EPA’s MCL for 3 H . Although the MCL criteria is not 

used for compliance purposes at the SRS, it has been used to evaluate the timeframe for the site 

closure and transfer (Denham and Eddy-Dilek, 2017). 

 

3.2 Modeling scenarios 

Previous studies on the SRS have reported an overall trend towards greater rainfall in the region 

(Faybishenko et al., 2018). According to the National Climate Assessment, South Carolina is 

expected to see precipitation increases of 10%-20% by 2100 (see Fig. 7.5 in Easterling et al.  

(2017)), as well as more extreme precipitation event by up to two-folds (see Fig 7.6 in Easterling et 

al. (2017)). Even if the amount of precipitation is not necessarily equal to the recharge, we assume 

that we can investigate the impact of climate change by simulating a range of different recharge 

values. The range would also account for the uncertainty associated with the climate projections. 

We mainly focus on increased natural recharge conditions, although, for completeness, we also 

investigate the impact of reduced recharge. Figure 3 provides an illustration of the recharge 

scenarios simulated in our analysis. We consider a baseline recharge, denoted as BR , and 

indicated by the black line in Figure 3. To study the effect of climate change- induced 

increased/decreased recharge on contaminant transport, we define  to be a perturbation from the 

baseline recharge and PR  to identify the perturbed recharge. We develop four perturbed recharge 

scenarios with respect to the baseline recharge conditions, corresponding to = 0 , described in 

the Section 3.1. The recharge perturbation starts at a certain time, set to year 2020, and is 

illustrated with a specific color for each scenario in Figure 3. In the following, we provide a 

detailed description of the scenarios and of the values adopted for  and we employ 
*t  to 

indicate year 2020. 

 

Figure 3: Schematic illustration of the perturbed recharge scenarios analyzed in the study: (1) the 

constant positive recharge shift starting in 2020 (green line), (2) the constant negative recharge 

shift starting in 2020 (blue line), (3) the one-year extreme recharge in 2020 (magenta line) and (4) 

the hypothetical cap failure and constant positive recharge shift starting in 2020 (green line). The 

baseline recharge scenario is denoted by the horizontal black line. 
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Constant positive recharge shift The recharge conditions of the first scenario (portrayed in 

green, from year 2020, in Figure 3) are illustrated through the following equation: 

 

*

*

, <
( ) =

(1 ),

B

P

B

R if t t
R t

R if t t




 
 (1) 

through this scenario we simulate a constant positive shift (i.e., an increase) of recharge from 2020 

until the end of the simulation, set to year 2100. The perturbation  assumes the following range 

of values: =  [0.1, 0.2, 0.3, 0.4, 0.5], we therefore simulate a recharge increase of +10% to +50% 

compared to baseline recharge conditions. 

 

Constant negative recharge shift By the same token, the second scenario (blue line from year 

2020 in Figure 3) is illustarted through the following equation: 

 

*

*

, <
( ) =

(1 ),

B

P

B

R if t t
R t

R if t t




 
 (2) 

this scenario is characterized by a constant negative shift of recharge (i.e., a decrease) of -10% to 

-50% ( =  [0.1, 0.2, 0.3, 0.4, 0.5] from equation (2)) within the timeframe 2020-2100. 

 

One-year extreme recharge The third scenario (magenta line from 2020 in Figure 3) is described 

by: 

 

*

* *

, <
( ) =

(1 ), 1

B

P

B

R if t t
R t

R if t t t




   
 (3) 

this scenario considers a significant increase of recharge within year 2020, mimicking an extreme 

precipitation event of a factor of 1.5, 2, 5 and 10 folds compared to baseline conditions. The range 

of perturbation values of this third scenario, according to equation (3), are then: =  [0.5, 1, 4, 9]. 

 

Cap failure and constant positive recharge shift The cap failure is also evaluated in conjunction 

with the natural recharge shift. Although low-permeability material is used for capping the F-Area 

basins, increased vegetation or other mechanisms could threaten the integrity of the source-zone 

capping structure (Worthy et al., 2013a, b, 2015). In the fourth scenario, we assume that the cap 

will fail at the same time of the recharge increase (i.e., in year 2020). Note that the assumption of 

cap failure in 2020 is solely for the purpose of the modeling exercise and not a prediction of actual 

cap failure. The perturbed recharge conditions of this scenario are then the same of the first 
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scenario, i.e.: 

 

*

*

, <
( ) =

(1 ),

B

P

B

R if t t
R t

R if t t




 
 (4) 

The cap failure is represented by increased source-zone recharge to the level of the surrounding 

region, therefore we hypothesize a complete failure of the containment structure. Although such a 

sudden failure is unlikely to happen, we assume instant failure to evaluate the most extreme case. 

The fourth scenario simulates the failure of the capping structure in arbitrarily assumed year 2020 

under baseline recharge conditions and under the increased recharge conditions of the first 

scenario, characterized by =  [0.1, 0.2, 0.3, 0.4, 0.5], from 2020 to 2100. 

In reality, such precipitation/recharge changes are expected to occur gradually or randomly 

rather than through the step change assumed in this analysis. However, such simple 

representations would facilitate our fundamental understanding of various complex impacts of 

climatic changes on contaminant concentrations and exports. 

For the conditions explored in this study (Figure 3) we expect that the changes in the 

recharge rates (as described in the scenarios above) will impact the concentration breakthrough 

curves (BTCs) by local dilution as well as by affecting the rate at which the contaminant mass is 

released from the vadose zone to the groundwater system. Figure 4 schematically pictures the 

contaminant BTC under baseline conditions and perturbed recharge conditions. We expect that, 

increased recharge (relative to the baseline values) causes a slight dilution (Phase I in Figure 4) 

followed by a “rebound” effect in the concentration BTC (Phase II in Figure 4) due to the 

mobilization of the solute mass located in proximity of the source (Figure 4). 

 

Figure 4: Schematic illustration of the impact of increased recharge on the concentration 

breakthrough curve (BTC) at an observation well located downgradient from the source zone. The 

recharge rate increase causes a slight dilution (Phase I), followed by a “rebound” effect in the BTC 

(Phase II) due to contaminants’ mobilization. The continuous blu curve indicates the BTC under 

baseline recharge whereas the dashed red curve corresponds to the concentration BTC under a 

change in the recharge conditions (see inset figure). 

 

4 Results and Discussion 

4.1 Spatiotemporal Dynamics of the Contaminant Plume  
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Prior to investigating the effects of recharge on transport observables at specific wells and at the 

CP, we provide snapshots of the simulated contaminant plume in the coupled vadose 

zone-groundwater system (Figure 5) for the baseline case. Figure 5 shows the plume migration at 

different years, namely 1961 (Figure 5b), 1988 (Figure 5c), 2000 (Figure 5d) and 2033 (Figure 5e).  

 

Figure 5: Illustration of the simulated tritium plume in the SRS. The initial condition is displayed 

in panel (a). The plume snapshots are shown for years (b) 1961, (b) 1988, (c) 2000 and (d) 2033. 

 

As observed in Bea et al. (2013), the contaminant plume first moves downward in the 

vadose zone, and then spreads laterally below the groundwater table (Figure 5b). During the 

operation, most of the plume migrates within the upper aquifer, although a part of the p lume 

penetrates the TCCZ and reaches the lower aquifer (Figure 5c). After the operation ends, the clean 

water front arrives from upstream and pushes the plume downgradient (Figure 5d). The 

contaminant plume displays a stratified distribution since the residual contaminants in the vadose 

zone constitute a persistent contamination source and the low-permeability TCCZ becomes a 

secondary source. As displayed in Figure 5e, in year 2033 the vadose zone and TCCZ continue to 

be the residual contaminant sources. 

 

4.2 Contaminant concentration and export BTCs 

We first compare the temporal evolution of the 3 H  concentrations [mol kgw 1 ] at the 

observation wells and of the 3 H  export [mol y 1 ] at the CP among different recharge scenarios 

(Figures 6-9) for 0-100 years forward from the assumed recharge perturbations and cap failure 

(i.e., within the timeframe 2020-2100). Under baseline recharge conditions (indiated by = 0  in 

Figures 6-9), 3 H  concentrations and export generally decrease within the timeframe 2020-2100, 

given that the peak concentration and export occur closer to the contaminant discharge operation 

timeframe (1955-1988), i.e., before year 2020. 

 

Figure 6: Temporal evolution of 3 H  concentration at the: (a) source-zone well, (b) downgradient 

well and (c) 3 H  export at the CP for the baseline scenario, indicated by = 0 , and the constant 

positive recharge shift scenario, characterized by = 0.1,0.2,0.3,0.4,0.5 . The results of different 
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recharge perturbations are portrayed in different colors. The thin horizontal dashed black line 

represents the MCL for 3 H . 

 

Figure 7: Temporal evolution of 3 H  concentration at the: (a) source-zone well, (b) downgradient 

well and (c) 3 H  export at the CP for the baseline scenario, indicated by = 0 , and the constant 

negative recharge shift scenario, characterized by = 0.1,0.2,0.3,0.4,0.5 . The results of different 

recharge perturbations are portrayed in different colors. The thin horizontal dashed black line 

represents the MCL for 3 H . 

 

Figure 8: Temporal evolution of 3 H  concentration at the: (a) source-zone well, (b) downgradient 

well and (c) 3 H  export at the CP for the baseline scenario, indicated by = 0 , and the one-year 

extreme recharge scenario, characterized by = 0.5,1,4,9 . The results of different recharge 

perturbations are portrayed in different colors. The thin horizontal dashed black line represents the 

MCL for 3 H . 

 

Figure 9: Temporal evolution of 3 H  concentration at the: (a) source-zone well, (b) downgradient 

well and (c) 3 H  export at the CP for the baseline scenario, indicated by = 0 , the cap failure 

under the baseline scenario, indicated by 
( )= 0 c

, and the cap failure under the constant positive 

recharge shift scenario, indicated by ( ) ( ) ( ) ( ) ( )= 0.1 ,0.2 ,0.3 ,0.4 ,0.5c c c c c , with ( )c  indicating the 

capping failure. The results of different recharge perturbations are portrayed in different colors. 

The thin horizontal dashed black line represents the MCL for 3 H . The inset shows the log-scale 

plot. 

 

When the positive constant shift of recharge occurs (Figure 6), the concentration initially 

decreases for approximately 2-10 years at the source-zone well (Figure 6a) and for around 5-20 

years at the downgradient well (Figure 6b). This slight decrease of concentration is an outcome of 

dilution, attributed to the presence of more water in the system which enhances the mixing of the 

plume with clean water. We then observe a “rebound” in the concentrations due to the additional 

recharge, during which the concentration increases with respect to the concentration BTC obtained 

for the baseline case ( = 0 ). This is attributed to the fact that the residual contaminants in the 
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vadose zone are mobilized under higher recharge. As a consequence, more solute mass reaches the 

wells and the CP. The concentration increase during the “rebound” phase is more pronounced at 

the source-zone well (Figure 6a) than at the downgradient well (Figure 6b) given that the latter is 

located further away from the source zone and consequently less influenced by the mobilization of 

residual 3 H . These results are in agreement with previous theoretical analysis which showed that 

near-source locations are more sensitive to changes in the solute mass release at the source zone 

(de Barros, 2018). By comparing the effects of different magnitudes of recharge shifts on well 

concentrations, we notice that a recharge increase characterized by = 0.1  does not influence the 

concentration BTC significantly. On the other hand, Figure 6a and 6b show that, for larger 

recharge, the timing of the “rebound” effect happens before and the corresponding peak 

concentration is higher (i.e., see concentration BTCs within the range = 0.2 0.5 ). We also 

point out that the concentration decrease after the peak is generally more rapid as  increases (see 

BTCs produced by = 0.4 0.5  in Figure 6a-b). Indeed, under higher recharge, a bigger part of 

the residual 3 H  is mobilized and flushed out of the aquifer system earlier in time. The export, on 

the other hand, slightly tends to increase but does not change significantly even under the 

maximum increase of recharge, indicated by = 0.5  (Figure 6c). The minor effects on the export 

are attributed to the fact that the export is an integrated measure that incorporates the upwelling 

groundwater from the lower aquifer which is less affected by the recharge changes. 

Decreased recharge (Figure 7) produces minor effects on well concentrations compared to 

increased recharge (compare Figure 6a-b to Figure 7a-b). Lower recharge causes a small increase 

in the concentration for around 5-20 years at the source-zone well (Figure 7a) and for 

approximately 10-20 years at the downgradient well (Figure 7b). Figure 7a depicts a higher peak 

concentration as  increases. This effect takes place because a lower amount of water in the 

system decreases the dilution potential of the aquifer hence leading to an increase the 

concentration. The differences between the concentration BTCs obtained for different  values at 

both observation wells in Figure 7a-b are less visible than in Figure 6a-b. We observe that 

increased recharge has a larger impact on the source-zone well (Figure 7a) than on the 

downgradient well (Figure 7b), whereas decreased recharge causes more uniform effects between 

the two observation wells. This is because the mobilization of 3 H  caused by increased recharge 

has more impact closer to the source (Figure 7a), whereas the decrease of dilution, emerging from 

decreased recharge and resulting in higher concentration (Figure 7a-b) has a more uniform effect 
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on the aquifer system. Finally, minor effects are displayed on the export (Figure 7c), as noted also 

for increased recharge conditions (see Figure 6c). However we notice that the 3 H  export tends to 

slightly decrease under negative recharge shifts given that less residual 3 H  is mobilized from the 

vadose zone. 

We next observe the outcomes of the third scenario (i.e., the one-year extreme recharge 

event) in Figure 8. One-year of extreme recharge significantly increases the well concentrations 

during the “rebound” phase over an extended period of time, i.e., for around 10-20 years (Figure 

8a-b). We then observe that a short extreme event could affect the well concentrations for several 

decades. At the source-zone well (Figure 8a), prior to the “rebound” phase, the concentration 

decreases slightly after the perturbation event (in 2020) due to dilution, particularly under the most 

extreme scenario, indicated by = 9 . On the other hand, at the downgradient well (Figure 8b), the 

concentration decrease due to dilution is more pronounced given that the plume has traveled a 

longer distance. Five-to-ten years after the initial dilution, the concentration increases, during the 

“rebound” phase. The extreme one-year precipitation indicated by = 0.5  does not significantly 

affect the concentrations, especially at the downgradient well, where even the recharge scenario 

characterized by =1  does not produce significant changes when compared to baseline 

conditions ( = 0 ). We also observe that higher recharge shifts produce higher peak concentrations 

in the “rebound” phase due to the mobilization of the solute mass at the source zone (Figure 8a-b) 

as well as higher initial dilution. The effect of recharge changes on the export (Figure 7c) is minor 

compared to the influence on the concentrations in the wells (Figure 8a-b), although we observe a 

peak of the export around 2020 when = 9 . 

Figure 9 reports the results obtained for the scenario characterized by the failure of the 

capping structure under baseline conditions and constant positive recharge shifts starting in 2020. 

Figure 9 shows that the concentration increase at the wells is significantly larger than the increase 

observed for undamaged source-zone capping conditions. The concentration “rebound” happens 

after 5-8 years at the source-zone well (Figure 9a) and after 10-15 years at the downgradient wells 

(Figure 9b). The export at the CP also shows a visible increase after around 2035 (Figure 9c). This 

is due to the fact that, under higher recharge and no capping structure, the bulk of residual 

contaminants in the vadose zone migrate to the groundwater system. We notice that the increase of 

concentration/export happens earlier in time at the well closer to the contaminant source zone, later 

at the downgradient well and even further when considering the export at the CP, located at the 
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right boundary of the domain. Moreover, as the recharge value increases, from = 0.1  to = 0.5

, the peak concentration/export, caused by the additional recharge, becomes higher and occurs 

earlier in time (see Figure 9). The inset log-scale plot of Figure 9a shows that the extreme 

concentration increase resulting from the cap failure is followed by a rapid decrease of the 

concentration, as the 3 H  plume is flushed out of the system earlier when the capping structure 

fails, moving the contamination problem downgradient. This effect is amplified as  increases. 

The same observations apply to the downgradient well and to the export (see inset log-scale plot of 

Figure 9b-c). We finally notice that the difference between the BTCs given by different  values 

is more pronounced when we assume that the cap fails (Figure 9). 

The results of an additional recharge scenario, characterized by a range of positive 

recharge shifts within a timeframe shorter than a year, is presented in the Supplementary Material. 

These outcomes confirm that our findings also apply to a smaller time scale of hydrological shift. 

 

4.3 Impact of recharge perturbations on key Environmental Performance 

Metrics 

We quantify the impact of climate change-driven recharge shifts on key EPMs (e.g, peak 

contaminant concentration, early and late arrival times, time of exceedance of MCL). Given that 

the recharge shifts considered in our study start from year 2020 (after the discharge operation at the 

SRS F-Area terminated, i.e. during a contaminant concentration/export descending/tailing phase), 

we do not consider the peak concentration but we analyze the maximum change on the 

concentration and export BTCs induced by the recharge perturbations. Moreover we investigate 

the effect of recharge shifts on the time of exceedance of the MCL for 3 H . 

 

4.3.1 Maximum difference between baseline and perturbed BTCs 

We identify the maximum normalized difference between the contaminant concentration or export 

BTC obtained under baseline and perturbed recharge conditions as: 

 
1

= | ( ) ( ) | 100,max
( )

c b p
t

b d
max

C t C t
C t

    (5) 

where ( )bC t  and ( )pC t  in (5) are the contaminant concentration [mol kgw 1 ] or contaminant 

export [mol y 1 ] of the baseline (subscript “b”) and the perturbed (subscript “p”) recharge 
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scenarios respectively, whereas ( )b d
max

C t  is the baseline concentration or export taken at the time 

where the difference between baseline and perturbed BTCs is maximum. The metric 
c  (5) is 

plotted in Figure 10 as a function of the recharge perturbation , whose values are described in 

Section 3.2. Note that, from (5), = 0c  for the baseline scenario, indicated by = 0 . We recall 

that only a limited range of recharge perturbations were simulated in our analysis, therefore the 

comments below are based on a linear interpolation between 
c  and the analyzed  values. 

When the recharge is positively shifted by a constant value (Figure 10a), the relative 

change in the well concentrations, quantified by 
c  (5), exhibit a non- linear or step-function 

response to the perturbation . As shown in Figure 10a, 
c  at the source-zone well drastically 

increases (from around 10% to almost 120%) when the recharge perturbation  changes from 0.1 

to 0.2, while 
c  at the downgradient well is highly impacted (it changes from approximately 20% 

to 100%) when  goes from 0.3 to 0.4. The changes are smaller during the other recharge shifts’ 

intervals. Our results suggest the presence of a threshold, or trigger level of recharge, above which 

the well concentrations are significantly affected. This trigger level is lower at the source-zone 

well than at the downgradient well; a recharge corresponding to = 0.1  could represent this 

threshold at wells closer to the source-zone, while a higher trigger level of recharge, approximately 

identified by = 0.3, is identified downgradient. The export, on the other hand, increases in a 

quasi- linear manner with the recharge perturbation (Figure 10a). As shown in the concentration 

time series (see Figure 6c), the effect of recharge shifts on the export is significantly smaller 

compared to that on the well concentrations. Indeed a recharge shift correspond ing to =  0.5 

results in a value of c  of approximately 20% when observing the CP export, while a recharge 

shift given by = 0.5 produces values of c  of approximately 80%-100% at the observation 

wells. 

 

Figure 10: Maximum difference between contaminant concentrations and export BTCs of the 

baseline scenario and the perturbed recharge scenarios ( c ) versus perturbation ( ) for the 

constant positive recharge shift scenario (a), the constant negative recharge shift scenario (b), the 

one-year extreme recharge scenario (c), the cap failure and constant positive recharge shift 

scenario (d), where the superscript ( )c  indicates the capping failure. Results at the source-zone 
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well are illustrated in red, at the downgradient well are pictured in blue and at the CP are indicated 

in green. 

 

Figure 10b shows the 
c  -  relationship for the negative recharge shift scenario. 

Decreasing the recharge rate generally has a smaller impact on 
c  with respect to increased 

recharge conditions (compare the values of 
c  in Figure 10a and 10b), according to the results in 

Figure 7. We identify non- linear responses and trigger levels of recharge perturbation at the 

downgradient well and at the CP. The trigger levels are very small at the downgradient well (e.g., 

less than = 0.1) and higher for the export (i.e., = 0.2 ). The maximum difference between the 

baseline case and the perturbed BTC (computed via equation (5)) is larger at the downgradient 

well than at the source-zone well (see Figure 10b). This is different than what was observed from 

the results of the positive shift scenario. When comparing Figures 10a and 10b we observe that, 

under positive shifts of recharge (Figure 10a), c  evaluated at the source-zone is more sensitive to 

smaller  values. In other terms, we could say that the source-zone well responds first to the 

perturbation . This is because the source-zone well is more impacted by the mobilization of 3 H  

given its proximity to the source. However, when the recharge decreases (Figure 10b), changes in 

c  are more prominent at the downgradient well for smaller perturbations , i.e., the 

downgradient well responds first than the source-zone well. Indeed, the changes in the 

concentration are more uniform between the source-zone well and the downgradient well 

(compare Figures 7a and 7b) under lower recharge because they happen due to the concentration 

(or less dilution) as opposed to the mobilization of contaminants. Moreover, these changes take 

place at a later time downgradient, when the baseline concentration is smaller, resulting in higher 

c  downgradient. 

Under the extreme one-year recharge scenario (Figure 10c), the trigger- level is larger 

(around =1) when compared to the results obtained for the constant positive recharge shift 

scenario at both observation wells (compare Figures 10a and 10c). We observe that the c -  

relationship is quite similar for the two observation wells until = 4 . However, when = 9 , the 

recharge increase impact at the downgradient well becomes quite significant. In quantitative 

terms, this impact is approximately two times that at the source zone well (compare red and blue 

lines in Figure 10c). Finally, the impact of the extreme event on the contaminant export is quite 
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limited and increases linearly with the perturbation  (Figure 10c). However, a significant 

increase of the export is detected for the most extreme one-year precipitation event investigated in 

this study (i.e., when 9 , 
c  equals 65 % ). 

The cap failure scenario (Figure 10d) also shows a non-linear response when evaluating the 

sensitivities of the wells’ concentrations and the export to the perturbation . We observe an 

extreme increase of 
c  caused by the signification mobilization of the residual contaminants 

entrapped in the vadose zone when the capping structure fails, confirming the importance of the 

latter containment system. Successive increases of recharge do not significantly affect the value of 

c , i.e., 
c  reaches a plateau under capping failure conditions. The almost constant value of 

c  

is generally higher at the source-zone well than at the donwgradient well and at the CP. Our 

analysis then suggests that the failure of the capping can be identified as a trigger situation after 

which major changes in both well concentrations and on the export are expected. 

 

4.3.2 Difference of time above MCL between baseline and perturbed BTCs 

In this Section, we identify the metric t  as the normalized difference of the time of exceedance 

of the MCL for 3 H  between the baseline recharge scenario and the perturbed recharge scenarios 

as: 

 
1

= | ( ( ) > ) ( ( ) > ) | 100.
( ( ) > )

t b p

b

t C t MCL t C t MCL
t C t MCL

    (6) 

with ( ( ) > )bt C t MCL  and ( ( ) > )pt C t MCL  respectively being the time [d] during which the 

contaminant concentration exceeds the EPA’s MCL for 3 H  for the baseline (subscript “b”) and 

the perturbed (subscript “p”) recharge scenarios. As before, the metric t  (6), expressed in 

percentage, is plotted as a function of  for each recharge scenario in Figure 11 and, from (6), 

= 0t  for the baseline scenario (i.e., when = 0 ). Similarly to before, our observations are based 

on a linear interpolation between t  and the range of  values considered. 

 

Figure 11: Difference of time of exceedance of the MCL for 3 H  between the baseline scenario 

and the perturbed recharge scenarios ( t ) versus perturbation ( ) for the constant positive 

recharge shift scenario (a), the constant negative recharge shift scenario (b), the one-year extreme 
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recharge scenario (c), the cap failure and constant positive recharge shift scenario (d), where the 

superscript ( )c  indicates the capping failure. Results at the source-zone well are illustrated in red 

and results at the downgradient well are pictured in blue. 

 

Under the positive shift of recharge scenario (Figure 11a), 
t  shows a non- linear response 

to the recharge perturbation  at the source-zone well (in red). In this case, 
t  increases until its 

maximum value under a perturbation = 0.2  and = 0.3  but decreases afterwards. We then 

notice that the intermediate values of  produce the highest influence on the timeframe of MCL 

exceedance, as compared to the highest values of . Indeed, positive recharge shifts initially dilute 

the plume in the tailing phase, and increase the 3 H  mobilization, leading to an increase of the 

concentration during the “rebound” phase, but afterwards flush the plume out of the system, i.e., at 

a later stage the 3 H  concentration values reach the 3 H  MCL faster (see BTCs characterized by 

= 0.4 0.5  in Figure 6a). The higher the recharge, the higher is the concentration “rebound” 

peak and the faster the plume is flushed out of the aquifer, therefore the maximum increase of the 

time above MCL is produced by intermediate value of recharge (for example given by = 0.2,0.3

). On the other hand, t  (6) increases almost linearly with the permanent positive recharge 

perturbation at the downgradient well (in blue) but the maximum change of t  (6) with respect to 

the baseline recharge scenario is only around 15%. 

Decreased recharge (Figure 11b) also results in a non- linear response of t  to . 

Compared to the positive recharge shift scenario in which the source-zone well responds first 

(Figure 11a), when the recharge is negatively shifted (Figure 11b), the downgradient well responds 

first. A decrease of the natural recharge does not significantly influence the time when the 3 H  

concentration exceeds MCL at the source-zone well (in red) given that the minor concentration 

increase takes place when the baseline concentration exceeds the MCL. However we identify the 

value of = 0.2  as the trigger level of recharge decrease after which the time above MCL is 

significantly affected at the downgradient well (in blue). The remaining recharge steps produce 

less significant changes at the downgradient well. 

One-year of extreme recharge produces relatively smaller changes in the time above MCL 

as compared to the effect of permanent shifts of recharge when <1  (compare Figure 11c with 

Figure 11a). This scenario does not influence much the time of MCL exceedance at the 
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source-zone well (in red), where a maximum 
t  around 20% is identified when = 4 . 

Nevertheless, the response at the downgradient well, also non- linear, shows a trigger level 

represented by =1  above which the time of exceedance of MCL is highly impacted. This 

significant impact takes place because the increase of concentration downgradient, which results 

in values above the 3 H  MCL, happens later in time, compared to the upgradient well, when the 

baseline concentration is already below the MCL. 

When the capping structure fails (Figure 11d), we notice that 
t  reaches the maximum 

value at both wells, similarly to what observed when looking at the 
c  -  results. The value of 

t  then decreases at both wells when the recharge increases in the presence of no cap. This 

decrease is almost linear at the source-zone well. In the overall, we observe that the capping failure 

is identified as a trigger condition which causes an important increase of both EPMs (as quantified 

by 
c  and t ), therefore a substantial risk increase. 

When comparing the results in Figures 10 and 11 we understand that different recharge’s 

thresholds/trigger levels are identified depending on the metric of interest for environmental 

remediation (for instance the maximum concentration/export BTC’s change or the time of 

exceedance of MCL’s change caused by the recharge perturbations), the location of the 

observation location and the measured variable (e.g., contaminant concentration or contaminant 

export). 

 

5 Summary and Conclusions 

In this paper we investigate the impact of climate change-driven aquifer’s recharge shifts on 

residual contaminants in soil and groundwater subject to sustainable remediation. For the sake of 

simplicity we assume that the changes in precipitation and temperature can be translated into 

changes of the natural aquifer’s recharge. We establish the evaluation methodology, including the 

development of potential future scenarios on the basis of national climate assessments, 

site-specific model developments, and evaluation criteria. We illustrate four scenarios 

characterized by a range of variable recharge values: (1) constant positive recharge shift after a 

certain year (2) constant negative recharge shift after a certain year, (3) one-year of extreme 

recharge, (4) cap failure and constant positive recharge shift. Our methodology is demonstrated by 
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simulating the 3 H  plume migration within the US DOE’s nuclear reservation Savannah River 

Site F-Area. We employ the unsaturated-saturated flow model Amanzi, calibrated and verified 

using site data. 

In summary, our results generally show that changes of the recharge regime (even small) 

can significantly affect contaminant concentrations. The most noticeable outcome is the 

concentration “rebound” effect taking place, after an initial slight dilution, under higher recharge 

and/or capping failure conditions, which is given by the mobilization of the contaminant mass 

from the source zone and its transfer to the aquifer system. The concentratio n “rebound” effect is 

more pronounced and happens earlier as the recharge perturbation increases. Decreased recharge 

conditions could also cause a small concentration increase attributed to a decrease in the dilution 

potential of the aquifer. On the other hand, the 3 H  export at the CP is only minimally influenced 

by recharge shifts, except for some extreme recharge scenarios. Trigger levels of recharge which 

highly impact the concentration BTC at the wells are identified. These threshold/trigger levels 

depend on the observation location and on the EPM under investigation, quantified through c  

and t . The latter display a non- linear response to the perturbation . For example, it is 

interesting to observe that the most significant influence on the time of exceedance of MCL under 

positive recharge shifts (i.e., first scenario) is identified under recharge values in the middle of the 

range considered given that higher  values cause a steeper decrease of the concentration after the 

“rebound” phase, i.e., the concentration reaches the MCL faster. 

Our results suggest that close monitoring of wells concentrations should be adopted during 

precipitation (connected to higher aquifers’ recharge) and drought (connected to lower aquifers’ 

recharge) periods, however the actual risk of the downgradient population, as quantified through 

the export, could be under control even when the well concentrations are remarkably impacted. 

Our findings constitute then immediate contribution to guide groundwater monitoring in the 

presence of increased climatic variabilities, particularly in explaining concentration anomalies. 

For example, without a proper understanding, the concentration increase, due to higher or lower 

recharge, could be mistaken, for instance attributed to additional leaks or contaminant sources. In 

addition, our analysis indicates that source-zone wells are critical to early detect mobilized 

residual contaminants under increased recharge or cap failure conditions. It would be 

advantageous to have more frequent sampling or in situ monitoring in the proximity of the 

contaminant source zones as an early warning system (Schmidt et al., 2018). Aside from 
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monitoring the contaminant concentration, characterizing the hydraulic fluxes in the vicinity of the 

source zone can also aid in understanding the macro-dispersive behavior of the plume and 

corresponding risks to the environment and public health (de Barros and Nowak, 2010; Henri et 

al., 2016). Our work also emphasizes the importance of properly maintaining the capping structure 

not only to sequester residual contaminants but also to reduce the uncertainty associated with 

climate variability, in fact the difference among recharge scenarios is smaller when the cap is 

undamaged. 

We finally highlight that currently, simplified models adopting conservative assumptions 

are often used for performance and risk assessments at contaminated sites. Conservative 

approaches usually assume the worst case scenario, associated with higher recharge rates or higher 

permeability values to increase the plume mobility. The modeling scenarios investigated in this 

work, however, call into question the appropriateness of such conservative approaches, in fact the 

non-trivial trade-offs arising from the interplay between dilution and contaminants’ mobilization 

require the use of more realistic and accurate flow and transport simulations, achieved through 

proper calibration processes, as well as probabilistic risk assessments (Maxwell et al., 2008; de 

Barros and Rubin, 2008; Siirila and Maxwell, 2012; Atchley et al., 2013; Libera et al., 2017). 

Overall, the trade-offs identified in our work must be evaluated with respect to the specific time, 

location and performance metric under investigation. Understanding these trade-offs would enable 

better allocation of available resources towards reducing uncertainty in decision making (de 

Barros et al., 2009, 2012). 

Our work could be expanded by considering a more complex geochemistry setting, as well 

as surface water processes (e.g., evapotranspiration), and land model components (e.g., 

vegetation) of the SRS F-Area. Additionally, this study would benefit from an inclusion of 

different conceptualization of the aquifer’s heterogeneous properties together with remediation 

strategies located at the site (e.g., pump and treat, funnel and gate systems). In particular, the effect 

of geological heterogeneity should be explored in more detail given that it can significantly 

augment contaminant plume mixing rates (de Barros et al., 2015). 
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Supplementary material 

As explained through the paper, given the intrinsic uncertainties of climate predictions, our study 

considers a wide range of natural recharge values. Even so, the smallest time scale of recharge shift 

considered is one year, in the third scenario. Therefore we decided to simulate flow and transport 

for a fifth scenario characterized by a smaller time scale of recharge variability, i.e., 3 months (one 

trimester). In this case, the perturbed recharge, indicated as PR , is expressed as: 
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In equation (7),  always indicates the recharge perturbation and * = 2020t , whereas n 

indicates the trimester number within year 2020, i.e., =1n  for the first trimester of 2020, = 2n  

for the second trimester of 2020, = 3n  for the third trimester of 2020 and = 4n  for the fourth 

trimester of 2020. Therefore the fifth scenario simulates a positive shift of recharge by a factor  

every three months within year 2020, starting in 2020 and ending in 2021, indeed the recharge is 

set back to baseline values starting in year 2021. The recharge shift by a factor  in 2020 is 

applied with respect to the recharge value of the precedent trimester and it starts from baseline 

recharge in 2020. The perturbation  assumes the following range of values: =  [0.1, 0.2, 0.3, 

0.4, 0.5]. 

 

Figure 12: Temporal evolution of 3 H  concentration at the: (a) source-zone well, (b) 

downgradient well and (c) 3 H  export at the CP for the baseline scenario, indicated by = 0 , and 

the positive three months recharge shift scenario, characterized by = 0.1,0.2,0.3,0.4,0.5 . The 

results of different recharge perturbations are portrayed in different colors. The thin horizontal 

dashed black line represents the MCL for 3 H . 

 

The temporal evolution of the 3 H  concentrations [mol kgw 1 ] at the observation wells 

and of the 3 H  export [mol y 1 ] at the CP for the fifth scenario within the timeframe 2020-2100 is 

presented in Figure 12. Under positive three months recharge shifts (Figure 12), the concentration 

initially slightly decreases for approximately 2-8 years at the source-zone well (Figure 12a) and for 

around 8-10 years at the downgradient well (Figure 12b) because of dilution, similarly to what 

observed for the first scenario (i.e., under a constant positive recharge shift). Also in this case we 

identify a concentration “rebound” phase afterwards, during which the concentration increases at 

both wells (Figure 12a-b). At the source-zone well, under the recharge shifts indicated by 

= 0.3 0.5  we notice a subsequent decrease of concentration followed by a concentration 

“rebound” and so forth, caused by the different recharge increases during year 2020. We also 

observe that, as the perturbation  is higher, the initial concentration decrease is generally shorter 

and more pronounced and the subsequent concentration peak is higher (Figure 12a-b), however 
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when = 0.1 0.2  only minor effects with respect to the baseline concentration are identified, 

especially at the downgradient well. 

When comparing Figure 12a and Figure 12b we observe that the BTC’s pattern (i.e., slight 

initial decrease followed by a concentration rebound) is less pronounced and happens later in time 

in Figure 12b according to the fact that the downgradient well is further away from the source. In 

line with the outcomes of the other recharge scenarios, the recharge perturbation only causes minor 

changes of the contaminant export to the creek (Figure 12c). 

The results of the fifth scenario confirm that the key findings of our study hold even when 

the recharge shifts are more frequent in time, which could represent a more realistic situation. In 

fact, we generally observe that, even when the time variability of the recharge shift is shorter (i.e., 

three months instead of a year or more years), the positive shift of recharge triggers a pattern in the 

concentration BTC characterized by a slight decrease followed by a concentration “rebound” 

phase. This confirms that, no matter what is the timescale of the recharge perturbation, increasing 

aquifers’ natural recharge initially causes a slight decrease of the concentration followed by a 

concentration rebound effect. Indeed, the higher volume of water that enters the system initially 

results in dilution, and later produces an increase of the concentration attributed to the mobilization 

of residual 3 H  under additional water. 
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Highlights 
• Hydrological shifts affect contaminants through dilution and re-mobilization.  

• Increased recharge causes dilution followed by significant concentration increase.  

• Trigger recharge levels depend on observed metric and observation location.  

• Adopt frequent wells concentrations' sampling during precipitation/drought periods.  

• Capping is critical to sequester contaminants and reduce climatic uncertainty. 
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