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ABSTRACT

Mechanisms for Species Coexistence under Environmental Change: Insights from a
California Grassland

By
Loralee Larios
Doctor of Philosophy in Environmental Science, Policy and Management
University of California, Berkeley

Professor Katharine N. Suding, Chair

Understanding the potential mechanisms that influence invasion resistance and
coexistence in plant communities has been a central tenet of invasion ecological research
during the past few decades. My dissertation used observational and experimental
approaches to understand what processes influence whether a community is invaded,
resists invasion, or results in species coexistence within a California grassland. Chapter 2
reviewed the impacts that alien plant species may have on communities and provided a
framework for how to identify when invader impacts lead to recovery constraints for the
native community and integrate these constraints into restoration efforts. Chapter 3
investigated how species effects on resource availability can result in differing invasion
dynamics in native versus exotic dominated grasslands. I found that while exotic and native
species differentially alter the availability of light and nitrogen in a community, nitrogen
availability is key in determining invasion of an exotic into a native grassland as well as the
invasion of a native into an exotic dominated community. Chapter 4 investigated how
propagule pressure after an extreme disturbance can result in the invasion of intact native
grasslands. [ found that the recovery of native grassland stands after an extreme
disturbance (fire+drought) can be stalled by an influx of exotic propagules from the
surrounding matrix. Chapter 5 addressed how the strength of plant-soil feedbacks for a
native and exotic may change with soil resource availability changes on soil communities
and with a competitor. | found a negative effect of exotic conditioned soil on native growth
and no effect of native conditioned soil on exotic growth, suggesting that plant-soil
feedbacks may facilitate the establishment of the exotic as well as its dominance. Lastly,
Chapter 6 investigated how seed addition and soil amendments management efforts
affected native recovery after an extreme disturbance. I found that seed additions and soil
N reductions were able to increase the establishment and fitness of some natives, but may
not be sufficient to promote full native recovery. This work provides a tool to understand
not only why native resident communities are invaded but also how to reduce the
resistance of invaded communities and increase the resistance of native communities.
Additionally this work allowed me to integrate the impacts that exotic species have on
communities to make general predictions about the recovery of native communities after



an extreme disturbance or control efforts. Overall, I observed that native communities and
populations are vulnerable to invasion after a large disturbance and with nitrogen
enrichment. From low to moderate nitrogen availability, native and exotic species should
coexist due to niche partitioning, but not as a result of density dependent negative plant-
soil feedbacks. Lastly, I found that an exotic species is able to maintain its dominance due to
its strong competitive effect on native species, particularly at high nitrogen availability and
its ability to culture a soil community that negatively impacts the growth of native species.
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Chapter 1

Introduction

Environmental changes - rising temperatures, changed precipitation patterns, increased
atmospheric deposition - are affecting ecosystems at an unprecedented scale and pace
(Luque et al. 2013). A critical challenge is to understand and predict how these global
changes affect the interactions that mediate ecological diversity (Suding et al. 2008,
Tylianakis et al. 2008). This challenge is further complicated by the fact that plant
communities are often responding to multiple drivers of global change (Templer and
Reinmann 2011). In light of potential synergistic interactions among global change drivers,
there has been a renewed interest in using a more holistic system approach to not only
predict how ecological systems may change but to inform management and restoration
practices (Evans et al. 2012, James et al. 2013). My dissertation work was aimed at
identifying such potential synergistic interactions among environmental change factors to
predict future invasions and guide restoration efforts.

In my dissertation, I have applied a holistic approach to the issue of invasion in
California grasslands. I build a framework that takes into account how exogenous drivers
(fire and drought disturbance, atmospheric nitrogen deposition) influence neighborhood
type and soil resources and the consequences of these controls on processes such as
competition and plant-soil interactions and their ultimate impact on invasion (Figure 1). In
this introductory chapter, I present a brief overview of my study system, then the rationale
and overview of this framework, and highlight how my research sits within this framework.

Study System. California grasslands are an excellent system in which to explore invasion
dynamics. It is estimated that over 9.2 million hectares of native perennial grasslands have
been converted to exotic annual grasslands due to overgrazing and drought in the 1800s
(Jackson 1985). Native grasslands have still not recovered, even when grazing has been
removed (Stromberg and Griffin 1996); however, there are areas where native species
have been able to persist (Stromberg and Griffin 1996, Gelbard and Harrison 2003). Studies
in California grasslands suggest that competitive rankings between exotic and native
grasses often vary depending on initial conditions (Dyer and Rice 1999, Hamilton et al.
1999, Lulow 2006, Abraham et al. 2009), indicating that frequency-dependent fitness
differences (priority effects) may play a role in invasion resistance of both exotic and native
grasslands. Other studies have found evidence for niche partitioning mechanisms
promoting coexistence (Harpole and Suding 2007) and fitness differences (Seabloom et al.
2003b). However, few studies have simultaneously investigated fitness differences
resulting in either invasion or invasion resistance, and how these may depend on positive
feedbacks. Even fewer still have addressed how these processes change along resource
gradients, a critical component of assessing invasion resistance (but see Corbin and
D'Antonio 2004a, Thomsen and D'Antonio 2007). Furthermore, southern California is
predicted to experience more severe droughts (Bell et al. 2004, Hayhoe et al. 2004) and is
already experiencing altered fire regimes (Syphard et al. 2007) and high rates of nitrogen
deposition (Fenn et al 2003) due to increased human activity. Understanding how native



grasslands respond to these combined disturbances will be important to their future
management and conservation.

Invasion in a community context. During the past few decades, ecologists have
recognized the ability of invasive exotic species to alter ecosystem function, biodiversity,
and disturbance regimes (Vitousek et al. 1997b, Mack et al. 2001, Levine et al. 2003).
Because of the large impact that invasive species can exert on ecosystems, much research
has been spent on identifying potential traits of successful invaders (Baker 1965, Rejmanek
and Richardson 1996, Milbau and Nijs 2004), as well as identifying characteristics of sites
resistant to invasion (Crawley 1987). The latter is important to understand as land
managers try to impede exotic invasions by managing for resistance (D'Antonio et al.
2001). While the distinction has been useful (e.g., Fargione and Tilman 2005, Thomsen and
D'Antonio 2007), both invasiveness and invasibility often emerge as weak predictors of
success (Levine et al. 2004). In particular, these approaches of looking for predictive
invader and habitat traits have limited applicability in assessing when exotic species may
become naturalized (i.e., reach only moderate abundance, weakly impact) and when they
may completely transform (i.e., reach high abundance, strongly impact) a plant community.

The prevalence of context-dependency - interactions among species traits and site
characteristics - in invasions may require an alternate conceptual framework (Shea and
Chesson 2002, Eppstein and Molofsky 2007). Chesson (2000) proposed that species
coexistence results from a balancing of stabilizing processes (niche differences) and
equalizing processes (average fitness differences), such that coexistence would occur if
there was minimal niche overlap or when species’ fitness were similar. Recently,
MacDougall et al. (2009) incorporated this theory into invasion dynamics to show how
leading invasion hypotheses, such as negative soil feedbacks (Bever et al. 1997) or enemy
escape (Keane and Crawley 2002), all fundamentally relate to fitness differences (Figure 1
“Direct Controls”). Invasion resistance by the resident community would depend on high
resident! fitness relative to invader fitness, while coexistence with the invader would result
primarily from niche differences, when resources are limiting (MacDougall et al. 2009;
Chapter 3).

Local scale interactions have been at the center of ecological research targeted at
understanding not only plant community composition but also the establishment success of
invaders (Figure 1, “Indirect Controls”). Competitive interactions have been used to
explain both the success of an invader and the ability of a site to resist invasion depending
on niche overlap between the invader and residents, where high niche overlap would
reduce the invader’s fitness relative to the resident resulting in invasion resistance (i.e.
limiting similarity; Crawley 1987, Crawley et al. 1999). On the other hand, facilitative
interactions often result in the successful establishment of an invader if the resident
community is able to buffer the effect of other negative interactions (e.g., herbivores,
pathogens; Cushman et al. 2011). In my work, I have found evidence of very strong

1] use resident to denote a species at relatively high abundance (regardless of whether it is of native or exotic
origin) and invader to denote a species (or often in my experimental tests, an individual) that is entering the
community at low abundance. Thus, invasion can be exotic individuals invading native resident communities,
or vice versa.



competitive effects of the invader on native species, particularly at the seedling recruitment
stage (Chapters 3, 4, & 5).

In addition to plant-plant interactions, plant-soil interactions also play an important
role in an invader’s establishment success at the local scale. Negative plant-soil
interactions, where a species impacts the soil community in a way that decreases its fitness,
are thought to result in species coexistence and be prevalent in native communities.
Conversely, neutral to positive feedbacks can allow invaders to successful establish if the
invader is not negatively affected by the resident soil community or able to alter the soil
community as it increased in abundance to negatively affect the fitness of the residents,
respectively (Wolfe and Klironomos 2005, Eppinga et al. 2006, Bever et al. 2010). Both of
these mechanisms are likely operating simultaneously within a system, and teasing apart
how these processes may interact is key to understanding which processes are more
significant to invader establishment (Brandt and Seabloom 2012). I observed that the
exotic, Avena fatua L., experienced neutral feedbacks when grown with native conditioned
soil and that the exotic conditioned soil negatively affected the growth of the native Stipa
pulchra Hitchc, both mechanisms likely contribute to the successful establishment of the
exotic as well as their maintained dominance (Chapter 5).

This framework can be expanded to consider that a niche is not simply defined by
species resource requirements but also by the effects that a species at high abundance has
on resources or other trophic levels (Chase and Leibold 2003; Figure 1 "Interactive
Controls"). For instance, at high abundance, a resident species can increase invasion
resistance by reducing resource availability, altering rates of nutrient cycling, or
influencing the soil microbial community in a way that enhances its fitness advantages over
an invader (Tilman 1988, Chesson 2000, Hawkes et al. 2005, Shah et al. 2009). This
frequency-dependent invasion resistance is often called a positive feedback (Eppstein and
Molofsky 2007). The order of species arrival can greatly affect these feedbacks by initiating
priority effects, resulting in a landscape that may be composed of a mosaic of sharply-
edged areas dominated by different species each able to resist colonization by other
species (Chase 2003). In my work I observed that an exotic at high abundance can reduce
the fitness of a native relative to its conspecifics, promoting its dominance (Chapter 3).

Importance of exogenous drivers. Disturbances both natural and novel play an
important role in shaping communities and ecosystems (Figure 1 “Exogenous Drivers”;
Sousa 1984). Disturbances can influence community dynamics by altering the
environmental filters that structure a community and by acting as an additional filter on
species and species traits within a community (Diaz et al 1999; White & Jentsch 2004).
Sequential disturbances acting upon a system can interact to produce synergies that can
alter a community’s response and resilience to a disturbance (Paine et al. 1998, Davies et al.
2009). Identifying when these interactions will occur and understanding the potential
synergistic effects is critical for land management under continuing global change (Turner
2010). In my dissertation research, I specifically focused on a large fire that occurred after
a severe drought (Chapter 4) and nitrogen deposition (Chapters 3 & 6).

Initial recovery after a disturbance commonly depends on the species present prior
to a disturbance leaving residual individuals, either vegetatively or in the seed bank (Figure
1 “Indirect effects”; Noble and Slatyer 1980, Turner et al. 1998, Meiners et al. 2002). In
cases where natives and exotics differ in life history, this balance of residual components



(vegetative, seed bank) is thought to influence interactions between native and exotic
species during the “invasion window” following a disturbance (Meiners 2007, Tognetti et
al. 2010) and to result in a classic competition-colonization tradeoff (Levins and Culver
1971). I observed that the propagule pressure of neighboring exotic dominated patches
thwarted the recovery of natives after an extreme disturbance (Chapter 4).

Exogenous factors, which occur at large spatial scales, can also interact with finer
scale processes, to create cross-scale interactions, further complicating our ability to
predict responses to disturbances or stress events (Peters et al. 2007). These events can
facilitate invader establishment if these events alter the local scale mechanisms that
maintain a community’s dominance (Diez et al. 2012). For example, atmospheric N
deposition can increase ecosystem N availability and increase ecosystem productivity,
resulting in a more competitive environment that favors taller, faster growing and often
exotic species (Goldberg and Miller 1990, Suding et al. 2005). Soil microbial communities
are also sensitive to environmental change (Vasquez et al. 2008) and changes in these
communities either via altered soil resource availability as with N deposition or altered
plant-plant interactions within the host community can facilitate the establishment of
exotic species (Siguenza et al. 2006). Within my work, I observed that increased N
availability altered competitive interactions between native and exotic species to not only
facilitate the establishment of the exotic within native populations but to maintain exotic
dominance (Chapter 3). I also observed that soil communities from high N sites reduced the
positive effect that native home soils had on native growth potentially facilitating the
establishment of an invader at high N (Chapter 5).

Research Context. Within my dissertation I explore how local-scale processes can interact
with exogenous drivers to ultimately influence plant invasions and management within a
California grassland (Figure 1). This work was motivated by a desire to understand what
mechanisms contribute to the patch dynamics that I observed within a grassland along
Loma Ridge within the Irvine Ranch Land Reserve in Orange County, California (N:33.7501,
W:-117.71787, Figure 2). This grassland contained multiple areas dominated by either
exotic (Avena fatua L. & Bromus diandrus Roth) or native (predominantly Stipa pulchra
Hitchc.) grasses in close proximity to one another (nomenclature follows Baldwin et al.
2012). Traditionally, local scale interactions have been used to explain the establishment
success of invaders as well as the invasion resistance of a site. However, in light of
environmental change, this approach has been expanded to recognize that invaders can be
passengers of change, where exogenous drivers can facilitate the spread of invaders
(MacDougall and Turkington 2005, HilleRisLambers et al. 2010). Additionally, synergistic
interactions between exogenous drivers and invader impacts may shift processes
thwarting the recovery of natives, resulting in regime shifts (Diez et al. 2009). Below I will
provide an overview of both the local and regional processes that | addressed to create a
more holistic process based assessment of site invasion and restoration.

In Chapter 2, I provide a framework for how to identify and incorporate recovery
constraints into restoration efforts. Invasive species management programs are widely
incorporated into management plans; however, the success of these programs hinges on
the ability to identify when a system will be able to recover after invader control and
eradication efforts and when further intervention will be necessary to aide recovery.
Invasive alien plants can alter ecosystem attributes to produce strong legacy effects that



prevent the recovery of a system. Identifying recovery constraints can help improve how
ecological theory - assembly rules, ecological succession, and threshold dynamics - can be
used to guide restoration efforts.

In Chapter 3, I investigate how species effects on resources can interact with
increasing nitrogen (N) availability to influence either invasion resistance, coexistence or
invasion dynamics. Using an experimental approach where I manipulated both species
dominance (either native Stipa pulchra or exotic Avena fatua) and resources (soil N and
light availability), I was able to examine whether N enrichment would facilitate the
invasion of the exotic via interactions with species’ effects on resources. In Chapter 4, I
investigate how exotic annuals are able to capitalize on the invasion window after a
disturbance, by combining measurements of species composition and propagule pressure.

In Chapter 5, I examine with a greenhouse feedback experiment how soil resources
and plant-plant interactions may alter plant-soil feedbacks for the native, Stipa pulchra, and
exotic, Avena fatua. In Chapter 6, I conduct a field experiment to explore whether
competitive interactions or soil resource availability are constraints for the recovery of
native species after a large-scale disturbance.

Implications for Invasion and Management. My goal for this dissertation was to provide a
tool to understand not only why native resident communities are invaded but also how to reduce
the resistance of invaded communities and increase the resistance of native communities. Within
my work, | found that increased N availability will likely facilitate exotic invasion as 1) it
dampens the impact that the resident native has on soil resources, 2) it alters the competitive
interactions between the resident native and exotic invader, and 3) it minimizes the positive
effects of the native-conditioned soil community on native growth. Additionally, | observed that
increased N can increase exotic fitness three-fold. Through small-scale field experiments, |
found that management efforts should target multiple recovery constraints to enhance the
establishment of natives within invaded areas. Seed additions and soil N reductions were able to
increase the establishment and fitness of some natives, but may not be sufficient to promote full
native recovery. Future efforts should also include plans to mitigate the negative effect that
exotic conditioned soil has on native plant growth. By taking a more holistic approach | was
able to tease apart within my system how multiple fine scale processes may interact with broad
scale environmental changes to determine when we would see invasion, coexistence versus
invasion resistance to guide future management efforts.
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Figure 1. The major factors controlling plant invasions and potential restoration efforts
addressed within my dissertation. These controls span multiple factors, ranging from local
to regional spatial scales, which influence plant fitness and ultimately whether invasion will
take place. Thickness of the errors indicates the strength of effects that I observed
throughout my dissertation.



Figure 2. Example image of the mosaic pattern of native and exotic dominated grass
patches along Loma Ridge in Irvine, CA. The native patch is dominated by Stipa pulchra,
while the exotic patch is dominated by Avena fatua. This image was taken near the
intersection of Loma Ridge Jeep Trail & Shoe String Rd in the Irvine Ranch Natural
Landmark (N: 33.7525, W: -117.72372).



Chapter 2

Restoration within Protected Areas: When and How to Intervene to Manage
Plant Invasions?

Introduction

Protected areas serve as the primary method to maintain and protect global biodiversity
(UNEP-SCBD 2001). Therefore, an important goal in protected areas is to minimize threats
to biodiversity and maintain ecological communities in their natural states (Lockwood et al.
2006). Protected areas can manage certain threats such as deforestation or poaching, but
even the most well-managed reserves are still susceptible to threats such as climate
change, pollution, and invasive alien species that do not recognize these conservation
boundaries and fencelines. I focus on managing one of these threats, invasive alien plant
species, in protected areas. In response to this threat, many protected areas have
implemented large-scale invasive species management programs that employ prevention,
eradication, and control strategies aimed at slowing or stopping the process of invasion
(Foxcroft and Richardson 2003, Doren et al. 2009b).

Increasingly, a challenge in this process is that simply removing the invasive species
is not sufficient to restore native biodiversity. A recent review by Kettenring and Adams
(2011) found that invasive removal successfully reduced the cover of invasive alien plants
(IAP), but did not always result in native species recovery. Further intervention - with a
focus on restoration - may be necessary to take into account the impacts an invader has on
a system (D'Antonio and Meyerson 2002), as well as address recovery constraints of the
native community. However, these additional intervention actions can be costly in terms of
time and money and, in some cases, they have unintended consequences and actually slow
recovery (Zavaleta et al. 2001, Hobbs and Richardson 2011). Integrating additional
intervention efforts within an existing protected area management plan can be complicated
by a variety of factors such as limited resources (e.g., staff, infrastructure), legal mandates
under IUCN management categories, or differing agendas among the stakeholders in the
governance group (Keenleyside et al. 2012). The isolated nature of protected areas
requires intervention efforts to be a concerted endeavor with agencies/land owners
outside of the reserve, further complicating the success of management efforts.

In this chapter, I focus on this conundrum: when should we expect a system to
recover without additional restoration efforts after invasive species control efforts? And
when is further intervention necessary for recovery? Resources are often scarce for
protected areas, with eradication and control of invasive species often consuming a
disproportionate amount of reserve budgets (D'Antonio and Meyerson 2002). Identifying
necessary points of intervention prior to action is therefore critical for successful protected
area management. We begin by providing an overview of invader impacts that may
constrain and preclude the recovery of a system after IAP management. I then explore key
ecological theories that can be used to guide restoration strategies. Finally, I discuss how
land manager s could adjust restoration efforts depending on the constraints present in the
system.



In this chapter, I consider restoration to include both IAP control and eradication
efforts as well as additional actions to aid native recovery. As emphasized elsewhere in this
volume, invader management plans in protected areas often include control and
eradication efforts in tandem with native recovery efforts. Here, I focus on restoration after
the invaders are removed or reduced. The key questions are thus: when will passive
recovery following these efforts be sufficient to recover desired native communities, and
when will active intervention (sensu Suding 2011) be needed?

Invader Impacts and Recovery Constraints. As protected areas operate under the
mandate to protect local biodiversity, the continuing and growing threat of IAP invaders on
native biodiversity has made IAP management a priority for protected areas (Macdonald et
al. 1988, Vitousek et al. 1997b, McNeely 2001). Understanding invader impacts on
ecological communities is an important first step in understanding how native
communities may recover following IAP control. I particularly focus on IAP legacy effects in
protected areas, where the impacts of invasion persist even after invader control or
eradication. In these cases, removing the invader may not always lead to successful
recovery of the degraded system (D'Antonio and Meyerson 2002); additional management
and restoration actions may be necessary to put the native community on a path to
recovery (Suding et al. 2004). Alternatively, if an IAP does not have strong legacy effects,
additional efforts may not be necessary and native communities should be expected to
passively recover following control efforts. Importantly, the impacts of invasion may occur
either progressively with invader abundance or abruptly once the invader reaches a certain
abundance threshold (D'Antonio and Chambers 2006, Didham et al. 2007). Consequently,
whether active or passive restoration is necessary may depend on the pattern as well as
the nature of legacy effects.

Native species recovery may often be limited by dispersal following IAP control
(Galatowitsch and Richardson 2005, Traveset and Richardson 2006). Source populations of
native species may be far from the restoration area (McKinney and Lockwood 1999) or
seed dispersal networks may be altered in the invaded area (Traveset and Richardson
2006, McConkey et al. 2012). For example, in Australia, recovery of coastal dune
communities invaded by the South African bitou bush (Chrysanthemoides monilifera subsp.
rotundata) is limited by poor seed dispersal from existing native vegetation (French et al.
2011), and in New Zealand, native shrublands dominated by kanuka (Kunzea ericoides)
have a different composition and a smaller abundance of the avian seed dispersers
compared to the gorse (Ulex europaeus) invaded stands (Williams and Karl 2002).
Additionally, native seed bank at a restoration site could be diminished if natives have been
absent or in low abundance, reducing the potential for recovery from in situ germination
(D'Antonio and Meyerson 2002). In southern California, passive recovery of the native
coastal sage scrub community is limited due to the depauperate native seedbank in long
term invaded exotic grassland sites (Cione et al. 2002, Cox and Allen 2008).

Plant invaders can alter disturbance regimes, which may create positive feedbacks
that promote invader success (D'Antonio and Vitousek 1992, Mack and D'Antonio 1998).
These feedbacks must be disrupted to allow the recovery of a system (Suding et al. 2004). A
widespread example occurs when annual grass invaders increase the intensity and
frequency of fire (D'Antonio and Vitousek 1992). In the Western United States, for example,
exotic annual grasses increase fuel loads, which promotes a fire frequency for which the



resident community is not adapted (Whisenant 1990). Conversely, IAPs can also impact
disturbance regimes by suppressing disturbances (Mack and D'Antonio 1998). Pepper tree
(Schinus terebinthifolius) invasion in Florida’s Everglades National Park has suppressed fire
intensity by decreasing fuel loads (i.e., understory vegetation), which enhances its own
recruitment (Doren and Whiteaker 1990). In these cases, the disturbance regime may not
recover following IAP control, and additional actions may be needed to re-establish the
disturbance regime needed to support the native community (Davies et al. 2009).

[APs can also impact the physical structure of soils by increasing erosion rates or
sedimentation rates and directly affecting substrate stability (D'Antonio et al. 1999),
resulting in soil legacies (sensu Corbin and D'Antonio 2004c). For example, while increased
sedimentation can promote succession and facilitate the establishment of native species in
degraded forests in Algiers (Wojterski 1990), increased erosion rates can limit recovery by
eliminating habitat for native species and promoting the establishment of introduced
species in the South African fynbos (Macdonald and Richardson 1986).

Soil legacies can also influence belowground biological processes that promote [AP
abundance and stall native species recovery (van der Putten et al. 2007, Inderjit and van
der Putten 2010). An invader can be successful because it is able to escape soil pathogens
(Klironomos 2002), and it may also alter pathogen incidence in the native community to
reduce competitive effects and facilitate its spread (Eppinga et al. 2006, Mangla et al. 2008).
Pathogen loads may slow the recovery rates of communities, as they continue to influence
the performance of native species even after IAP removal (Malmstrom et al. 2005). IAPs
can facilitate their invasion by allelopathy (i.e., the release of phytotoxins, which inhibit the
growth of neighboring plants; Callaway and Ridenour 2004). For example, high impact
invader spotted knapweed (Centaurea maculosa) releases a compound that inhibits root
growth of its neighboring plants (Bais et al. 2003). Additionally, garlic mustard (Alliaria
petiolata), a widespread invader in North American forests, secretes compounds that
inhibit the symbiotic mycorrhizal associations of native plants. These altered relationships
can prevent the recovery of the community once the invader has been removed due to
residual toxins (Perry et al. 2005). Other invaders can alter soil properties such as salt
concentrations or soil pH, reducing the potential for subsequent colonization by native
species (Vivrette and Muller 1977, Conser and Connor 2009).

Soil legacies also include invader impacts on biogeochemical cycles that alter
resource availability (Mack et al. 2001, Ehrenfeld 2003). Nitrogen cycling rates are
regularly increased by invaders by altering the microbial community (Hawkes et al. 2005),
altering litter quality (Sperry et al. 2006), or directly by nitrogen-fixing species (Vitousek
and Walker 1989, Le Maitre et al. 2011). Increased nitrogen availability can result in
positive feedbacks that maintain the invaded state, thwarting recovery efforts (Clark et al.
2005). For example, in temperate grasslands in Australia, exotic annual species that invade
native perennial tussock grasslands can alter nitrogen cycling to favor their own growth.
These nutrient changes are sufficient to push the system past a threshold, preventing the
recovery of native grasses (Prober et al. 2009). Lastly, invaders can also alter the hydrology
of a system via altered transpiration rates, rooting depths, phenology, and growth rates
(Levine et al. 2003). Salt cedar (Tamarix spp.) invasion in the southwestern United States
has resulted in higher transpiration rates and marginal water loss due to the salt cedar’s
deeper root system in this water limited system (Zavaleta 2000).
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Ecosystem Models in Restoration. While it is clear that many IAPs have strong legacy
effects that can influence the recovery of native communities, it is also important to put
these effects in the context of ecological processes that guide the path to recovery (Young
et al. 2005, Hobbs et al. 2007, Suding and Hobbs 2009). Conceptual models of ecosystem
dynamics such as assembly theory, ecological succession, and threshold dynamics can
guide restoration projects by providing insights into these ecological processes (Figure 1).
In the following paragraphs I explore these three concepts and how they can guide
decisions about when and how to intervene in protected areas following invasive plant
control efforts. For each, I first present the basic framework, then a case study examining
application to restoration in protected areas.

Assembly Rules

Assembly theory focuses on how a suite of processes (e.g., dispersal, disturbance,
environment, competition) influence, which species are able to establish over time (Young
et al. 2001, Temperton et al. 2004, White and Jentsch 2004, Hobbs et al. 2007). This
framework integrates these processes into a series of filters (dispersal, environmental, and
biotic) that act at varying spatial scales, which can explain which species from a regional
species pool (large scale) are found in the local community (small scale, Weiher and Keddy
1995, Diaz et al. 1998, 1999). In the context of native species recovery following IAP
control, recovery requires that filters at each scale allow native species to establish and
persist (Figure 1b). Additional intervention efforts would be focused on the filters that
excluded the desired species from recovering (Figure 1b, dashed arrow).

Three general types of filters are emphasized in assembly theory. The first filter that
species must overcome is dispersal: species must have dispersal traits that allow them to
arrive at a site (Levine and Murrell 2003). As discussed above, invasive plants can increase
the dispersal limitation of native species in many ways, creating new barriers to the
dispersal filter for some native species. If a species is able to colonize a site, the next filter
acting upon it is the environmental filter. To successfully cross the environmental filter, a
species must have the suite of traits that allow it to survive the given environmental
conditions (Weiher and Keddy 1995, Diaz et al. 1998, 1999). Soil legacies of invasive plants,
such as erosion and resource cycling impacts, can alter this filter. An extension to the
environmental filter is the disturbance filter (White and Jentsch 2004), which invasive
species may similarly alter. The final filter in assembly theory is the biotic filter, which
restricts the community to those species that can coexist in the presence of interspecific
interactions (MacArthur and Levins 1967, Tilman 1990, Chesson 2000). Under the biotic
filter, competitive interactions would limit the co-occurrence of functionally equivalent
species due to niche limitation resulting in limited similarity among species within
community (MacArthur and Levins 1967). Under situations where invasive species have
been controlled or eradicated in protected areas, we would expect that this biotic filter
would be less of a consideration compared to the other filters, but it would be important to
manage were reinvasion possible.

The efficacy of active intervention efforts in restoration (e.g., species palette for
planting, selection of planned disturbance to limit competitive interactions) can be
assessed in this assembly filter framework by equating restoration actions with changes in
assembly filters (Funk et al. 2008). For example, seed addition or planting of native species
can be viewed as changing the dispersal filter at a site. Similarly, a trait-based approach
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could increase the success of restoration efforts areas where managers fear invasive
species could re-invade following control efforts by identifying a suite of native species
with traits similar to the IAP to enhance the invasion resistance of the community, thereby
strengthening the biotic filter (Funk et al. 2008).

Case study 1: California Grasslands

Protected areas such as county parks and reserves within California are often
imbedded within a highly fragmented landscape (Greer 2005). In California protected
areas, alien annual grasses have the potential to gain access to the interior of natural areas
by initially colonizing disturbed roadside areas (Gelbard and Belnap 2003). Roadsides can
have large inputs of atmospheric nitrogen deposition (Pearson et al. 2000), which can
interact with local grassland’s N cycling to increase N availability (Sirulnik et al. 2007), and
further promote these annual grasses (Padgett and Allen 1999). Furthermore, prolonged
dominance of alien grasses within a site can reduce the seedbank of native species and
prevent the recovery of a system once the grasses have been removed (Cione et al. 2002).

To evaluate if the biotic filter can be manipulated to slow or stop the re-invasion of
exotics after control, Cleland et al. (2012) conducted a restoration experiment along a
roadside edge of the Laguna Coast Wilderness Park in southern California where they
manipulated nitrogen availability and added native seeds representing different functional
groups (annual/perennial grasses, early/late forbs and N-fixing legumes). In the first year,
they removed alien annual grasses and forbs. Then in the second year, they allowed alien
species to colonize naturally. Native communities with low N availability and in which early
forb seed was added best resisted re-invasion. Thus, they found that by altering resource
availability and adding species that have similar phenology to the problematic invader they
could manipulate the biotic filter to increase invasion resistance.

Ecological Succession

Successional dynamics, the changes in species composition within a community
over time, have been a classic and focal question in ecology since the 1900s, (Cowles 1899,
Clements 1916, Gleason 1926). Succession traditionally describes the patterns of
compositional change after a disturbance (Clements 1916, Pickett et al. 1989) but recent
studies have gone beyond describing the patterns to identify the mechanisms, which
influence these patterns (Connell and Slatyer 1977, Tilman 1988, Pickett et al. 2009). As
successional theory has expanded to incorporate the possibility of multiple successional
pathways versus a single climax community (Glenn-Lewin et al. 1992), comparing and
analyzing successional trajectories has been adopted to describe the temporal change in
community composition (Hobbs and Mooney 1995). Once a disturbance occurs at a site, the
availability of safe sites and propagules for colonization in conjunction with the impacts of
established species determine subsequent successional dynamics (Pickett et al. 1987). In
the context of whether to intervene following invasive species control, additional
intervention activities can be viewed as either altering or initiating any of these recovery
processes (del Moral et al. 2007; Figure 1a).

Ecological restoration can take a variety of approaches to manage succession
toward a desired target. The first and simplest approach is to allow succession to occur
unaided (spontaneous succession, Prach et al. 2001) and should be a viable option if most
abiotic and biotic functioning remain intact after invasive species control (Lockwood and
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Samuels 2004, Prach and Hobbs 2008). However, in the case of large-scale invasions,
natural succession is unlikely to be a viable option as legacies from the invader may
influence recovery (Zavaleta et al. 2001). When legacies are present another approach is to
assist succession via manipulations to the physical environment and to biotic processes
that may be important within the target system (technical reclamation, Prach et al. 2007).
Technical reclamation may be necessary if invasion has resulted in the complete loss of any
of the overarching processes governing succession (e.g., availability of safe sites,
propagules, and species impacts; del Moral et al. 2007, Prach and Hobbs 2008). The third
approach, assisted succession, is a combination of technical reclamation and spontaneous
succession in which site conditions are initially modified to support native species but
subsequent succession is allowed to occur naturally (Prach et al. 2007; Figure 1a dashed
line). This approach has been implemented within rangeland invasive plant management,
by pairing removal efforts with post-removal restoration activities (Sheley et al. 2010).
While this framework is similar to assembly theory in that it emphasizes identification of
processes that constrain recovery, it also emphasizes trajectories of community
development over time.

Case Study 2: South African Fynbos

The fynbos vegetation in the Cape Floristic Region of South Africa is highly impacted
by exotic trees and shrubs (Acacia spp; Macdonald 1984, Le Maitre et al. 2011). Acacias are
nitrogen (N)-fixing plants, which can increase soil fertility after an extended presence in an
area (Yelenik et al. 2004). They also have a large impact on water resources, as they
consume more water than the native vegetation (Le Maitre et al. 2000). Under the national
“Working for Water” program, Acacia spp. and other woody invasive plants have been
targeted for removal (Turpie et al. 2008). Clearing of these invaders is often a combined
effort of cutting down the tree/shrub and, for those species that resprout, applying
herbicide to the stumps with the felled biomass left on site. It can also involve the removal
of the felled material and/or burning (Macdonald 2004). Cleared sites are often allowed to
recover spontaneously after treatment; however, the success of passive recovery is often
dependent on the type of treatment (i.e., spontaneous succession was the most successful
with clearing and removal and the least successful under burning (Blanchard and Holmes
2008). Blanchard and Holmes (2008) found that once the biomass was removed, native
species had space to establish and assisted succession approaches were needed. For
example, seeding after burn treatments to overcome dispersal constraints can increase the
presence of native fynbos vegetation and enhance natural recovery; however, continuous
eradication efforts are needed until the large Acacia seedbank is reduced as natural
wildfires may continue to promote the establishment of Acacia after initial removal (Milton
and Hall 1981).

Threshold Dynamics

Ecological thresholds are a breakpoint between two systems that, when crossed,
result in an abrupt change in community states (Holling 1973). Thresholds occur due to
positive feedback mechanisms, which make systems resistant to change (Folke et al. 2004,
Suding et al. 2004). While successional models and recovery pathways apply to many
situations of recovery following IAP control, threshold models can help explain why some
systems are not able to recover once the invader has been removed (Prober et al. 2009). In
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the context of these “stuck” systems, threshold models point to the importance of breaking
these positive feedbacks in order to facilitate recovery (Figure 1c).

A useful framework for incorporating ecological thresholds into management has
been to divide thresholds into two stages. The first stage is the biotic threshold, which can
be identified by changes in vegetative structure or composition (Friedel 1991, Whisenant
1999). The second stage is an abiotic threshold, which identifies changes in ecosystem
functioning (Whisenant 1999). Because impacts on functioning are thought to lag behind
biotic changes, a system is thought to first encounter the biotic threshold and subsequently
the abiotic (Whisenant 1999, Hobbs and Harris 2001, Briske et al. 2005). IAP’s that trigger
biotic threshold changes may be easier to control than those that cause biotic and abiotic
threshold changes. Invaders that cause the system to cross both thresholds (ecosystem
engineers, sensu Jones et al. 1994) make the success of restoration efforts highly uncertain
(Ehrenfeld et al. 2005, Kulmatiski 2006, Doren et al. 2009a). Once management has
identified key variables that can indicate whether a threshold has been crossed, this
knowledge can be used as management thresholds to identify when and what management
efforts are needed to increase the success of control and subsequent restoration efforts
(Foxcroft and Richardson 2003, Doren et al. 2009b).

Case Study 3: Australian Subtropical Rainforests

One of the world’s most notorious invaders, Lantana camara, has invaded and
replaced much of the native vegetation in the subtropical forests in eastern Australia (Lowe
et al. 2000, Bhagwat et al. 2012). Lantana was introduced as an ornamental shrub in the
mid-19th century (Swarbick 1986) but has rapidly spread to the detriment of native
diversity, including protected areas within Australia’s national parks. Many of the national
parks within eastern Australia are isolated within a highly disturbed system, a problem
common to many protected areas globally (Fox et al. 1997). Edges between the reserves
and disturbed areas (e.g., old agricultural fields in Australia) make reserves vulnerable to
weedy invaders such as Lantana, which readily spread across disturbed landscapes (Gentle
and Duggin 1997, Stock 2004).

However, this landscape also provides an opportunity to investigate the dynamics
that allow this invader to invade pristine habitats. Stock (2004) and Gooden et al. (2009)
monitored Lantana and native plant abundance in national parks in eastern Australia and
were able to identify two separate thresholds. After measuring Lantana cover and canopy
cover in gaps in two national parks, Stock (2004) identified an a first invasion threshold:
forests whose canopy cover is 75% native species can prevent the establishment of
Lantana, because the woody invader is shade intolerant in those forests. If Lantana reaches
75% cover, however, the system crosses a second biotic threshold identified by Gooden et
al. (2009) in which native species richness falls dramatically, likely due to Lantana effects
on soil fertility (Bhatt et al. 1994) and soil seed banks (Fensham et al. 1994). These
thresholds, which identify when a community can resist invasion and when invader
impacts begin to increase dramatically, are being used to guide an integrated management
plan (Stock 2005).

Addressing Recovery Constraints in the Context of the Three Models. The ability of

ecosystems to recover after IAP control greatly varies and is often contingent on the
system’s intrinsic rate of recovery, its level of degradation, and its surrounding matrix
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(Jones and Schmitz 2009, Holl and Aide 2011, Gaertner et al. 2012). This variability makes it
difficult to assess when land managers should intervene and implement additional
restoration practices or leave a system to recover naturally (passive restoration, sensu
Suding 2011). For example, in the southwestern United States, invader removal without
any paired plantings of native flora can detrimentally affect local fauna (Zavaleta et al.
2001), and yet, active plantings in the tropics may prevent the establishment of native flora
and slow natural recovery (Murcia 1997). Furthermore, within protected areas, additional
complicating factors such as land use and pollution are either well documented or less
severe than in non-protected areas. Therefore, restoration efforts conducted within
protected areas after IAP removal can help improve our collective understanding of
invader impacts and recovery constraints. In this section, I suggest a series of steps to
decide when additional intervention following IAP control may be needed.

First, an understanding of the extent of IAP impacts and whether they will persist
following invader removal is critical (Sheley et al. 2010). A holistic assessment should try to
identify the causes of the invasion as well as impacts of the invasion (see invader impacts
section above; James et al. 2010). If a holistic assessment was not initially available, small-
scale experiments can be used to identify restraints (Kettenring and Adams 2011). Simply
observing the natural recovery of a system after control efforts would also aide the
decision of whether or not to intervene when assessments are not available (Holl and Aide
2011). If monitoring indicates natural recovery, land managers can use successional theory
to make inferences about the trajectory of the system (Sheley et al. 2006, Prach and Walker
2011). However, if monitoring identifies invader legacies, the success of management
efforts is contingent on effectively prioritizing and addressing those recovery constraints
(Figure 2a; Suding et al. 2004).

Identification of constraints can be done through knowledge of natural history,
experimentation (Gaertner et al. 2011, Kettenring and Adams 2011) or research from other
sites (e.g. recent reviews of the effects of the invaders Acacia (Le Maitre et al. 2011) and
Lantana (Bhagwat et al. 2012) on ecosystems). If one single factor seems to strongly
constrain recovery, natural recovery should be fairly straightforward if land managers can
address the single constraint (Prach et al. 2001, Lockwood and Samuels 2004). Successional
theory and assembly theory would be helpful in guiding restoration efforts with single
constraints (Suding and Hobbs 2009). However, if multiple constraints are present, it is
important to assess whether these constraints can be addressed independently or need to
be addressed in tandem (Suding et al. 2004). If multiple constraints synergistically thwart
the recovery of a system, it would be essential to address the constraints in tandem to
disrupt any feedbacks that are preventing recovery (Figure 2a; Suding et al. 2004).

Constraints can operate at multiple spatial and temporal scales (Suding and Hobbs
2009), and processes operating at one spatial or temporal scale can interact with processes
operating at another scale to create strong internal feedbacks that prevent the recovery of
the system (cross-scale interactions; Peters et al. 2007). In a hypothetical example, if an
invader disrupted dispersal processes and produced soil legacies via allelopathy, successful
restoration efforts would have to address both the soil condition as well as the dispersal
constraint. Threshold models address strong internal feedbacks and nonlinear dynamics
within ecosystems and would be helpful in guiding restoration efforts with interacting
constraints (Suding and Hobbs 2009). If the constraints do not interact, it would be
important to prioritize constraints, and assembly theory could help elucidate which
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constraints and potential restoration approaches could be addressed based on how the
degraded system has deviated from the historical environmental and biotic conditions
(Lockwood and Samuels 2004). However, projects that incorporate several restoration
actions are often more successful; therefore if resources are available, it would be wise to
tackle multiple constraints (augmentative restoration; Bard et al. 2004, Buisson et al. 2008).
While these approaches can help a land manager make better a priori decisions about what
restoration activities to undertake, this approach is not foolproof and should always
incorporate monitoring and re-assessment to ensure that the system is moving in the
desired direction.

Case Study 4: Sustainable control efforts of Artichoke Thistle (Cynara cardunculus) in Orange
County, California

Artichoke Thistle was introduced into southern California in the nineteenth century
and has become a problematic invader across local grasslands (Thomsen et al. 1986). It is a
perennial species with a deep taproot (~1.5m) and large inflorescences (up to 50 per rosette;
Marushia and Holt 2006) filled with up to 800 wind dispersed seeds (Kelly 2000). It forms
dense species-poor stands (Bowler 2008). Within the Nature Reserve of Orange County, it
has invaded over 4000 of the 37000 acres of protected open space and its control has
dominated the Reserve’s budget for invasive species management (McAfee 2008). The
primary control method since 1994 has been direct herbicide application with the
assumption that native communities would passively recover. However, after 13 years
native species did not recover in all treated areas; instead, the abundance of other alien
plants increased (Seastedt et al. 2008). In an effort to implement more effective management
activities for native grassland recovery, potential constraints were further identified using
other published research studies. For example, seed limitation is often a constraint for
native grass populations across California (Seabloom et al. 2003a, Seabloom 2011).
Additionally, Potts et al. (2008) identified that litter quantity and quality changes due to
artichoke thistle invasion, which can negatively impact native recovery (Bartolome and
Gemmill 1981, Coleman and Levine 2007). These findings can be integrated into a potential
management plan for efficient and sustainable management of treated areas (Figure 2b),
where the passive recovery approach would be replaced with one where seed limitation
and soil legacies constraints are both prioritized within the reserve.

Conclusions. Ecosystems globally are undergoing rapid changes due to global change
drivers (i.e. CO2 enrichment, atmospheric nitrogen deposition, climate changes, land use,
and biotic invasions; (Sala et al. 2000). Among these drivers are invasive species, which are
an increasing threat to natural and working landscapes as the globalization of trade and
interactions with other global change drivers increases the opportunities for introductions
(Levine and D'Antonio 2003, McNeely 2006). A small fraction of those invaders have the
potential to trigger large changes in ecosystem functioning as they spread across a
landscape (Williamson 1996) and can contribute to the degradation of native communities
(McNeely 2001). Protected areas have the unprecedented burden of minimizing these
negative invader impacts as they are tasked with the goal of protecting and maintaining the
globe’s biodiversity.

Here, I emphasized ways to determine whether additional intervention is needed
for native recovery following IAP control in protected areas. Multiple lines of evidence need
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to be weighed to best gauge when and where to invest in additional intervention
approaches and when to stand back and allow the native system to recover naturally. This
decision-making is not clear- cut but can be based on several ecological frameworks
describing how communities are assembled and recover over time. Protected areas benefit
from a holistic management approach, which addresses IAP detection, sources of invaders,
potential external stressors, and management thresholds dictating when management
efforts need to be initiated (Zavaleta et al. 2001, Foxcroft and Richardson 2003, Clewell and
McDonald 2009). Worldwide efforts to evaluate the effectiveness of management within
protected areas (Hocking et al. 2000) provide a unique opportunity to assess the link
between ecological theory that frame the process of recovery and restoration actions.
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Figure 1. Recovery trajectories after invader removal, assuming little invader impact (a) or
a legacy of invader impacts (b,c). Species composition is symbolized by the capital letters
and abundance by proportion of each square; the desired goal community is C/E/D. Solid
lines indicate scenarios with passive restoration after IAP removal; dotted arrows indicate
restoration intervention. We present scenarios consistent with each of the three ecosystem
models of recovery. Successional theory (a) is most appropriate in systems where there is
little expectation of strong invader impacts. In (a), successional theory assumes directional
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change in species composition over time. If the natural recovery takes too long, land
managers can intervene to accelerate recovery (dashed arrow in a). In systems impacted by
invader legacy affects (b,c), assembly theory and threshold theory may be most
appropriate to guide restoration efforts. In (b), IAP legacies affect the order of species
arrival. Active intervention can focus on adding species, affecting the order of species
arrival, to guide the assembly process to arrive at the target community. In (c), recovery
may result in a new undesired state due to invader legacy impacts, preventing the
successional process that would occur naturally (gray boxes). A threshold model may be
the most appropriate to apply in cases such as these, where multiple restoration activities
would need to be done to overcome this feedback (dashed arrow, c). Modified from White
and Jentsch 2004.
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Figure 2. Decision Tree Model for assessing restoration activities following invader control
efforts. Decision making nodes represent the assessment of identity, number of and
interactions between recovery constraints (bolded boxes). At low and medium IAP
abundances, control/removal efforts may be sufficient to return a community to its
restored state (node 1: No intervention). However, at medium and high invader
abundances management actions may not be sufficient to achieve the full recovery of the
degraded system due to recovery constraints. A recovery constraint assessment can guide
decisions for subsequent restoration actions (nodes 2 & 3). Ecological principles (listed in
parentheses) can help inform which restoration tools to use. Decision Tree model for the
control and restoration efforts for artichoke thistle (panel b). Initially management efforts
relied on passive recovery (dashed line); however after observing the ineffective recovery
of native species, the land managers decided to implement efforts to overcome constraints.
Evaluation of constraints (supporting citations listed in case study) indicated two potential
constraints, and after determining that they likely do not interact to synergistically thwart
recovery, constraints were prioritized. Grayed boxes indicate paths that were not followed
in this scenario.
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Chapter 3

Invasion and dominance of an exotic annual, Avena fatua, into a native
perennial Stipa pulchra stand under nitrogen enrichment

Introduction

Global environmental changes - rising temperatures, changed precipitation patterns,
increased atmospheric deposition - are affecting ecosystems at an unprecedented scale
and pace (Luque et al. 2013). A critical challenge is to understand and predict how these
global changes affect the interactions among species that mediate ecological diversity
(Suding et al. 2008, Tylianakis et al. 2008). Only recently applied to global environmental
change (Adler et al. 2012), species coexistence theory provides a framework for
understanding how changed environmental conditions may affect interactions among
species. In the theory, the balance between niche differences (frequency-dependent
stabilizing processes) and relative fitness differences (equalizing processes) governs
species coexistence dynamics (Chesson 2000, Adler et al. 2007, Eppstein and Molofsky
2007). Because environmental conditions can affect the nature and extent of both fitness
and niche differences through altered resource availability (HilleRisLambers et al. 2012),
global environmental change should influence species interactions in a manner predictable
by coexistence theory (Adler et al. 2012).

A less explored link between coexistence theory and environmental change is that a
species can also influence its niche by altering its local environment (Chase and Leibold
2003). For example, species can reduce resource availability, alter rates of nutrient cycling,
or influence the soil microbial community (Wedin and Tilman 1990, Hawkes et al. 2005,
Chapman 2006). Species effects can either counteract or accelerate effects of global
environmental change by either strengthening negative frequency dependence (negative
feedbacks) or creating situations of positive frequency dependence (positive feedbacks),
respectively (Ives 1995, Adler and Drake 2008). As these feedbacks can shift community
structure, it is important to understand how and when environmental change can spur
feedback effects.

Here, I apply coexistence theory to species invasions in the face of global change
(Didham et al. 2005, MacDougall and Turkington 2005, MacDougall et al. 2009). I focus on
increased nitrogen (N) availability, which is affecting large areas worldwide due to
atmospheric N deposition (Bradford et al. 2012), and is often thought to increase the
invasion of exotic species (Huenneke et al. 1990, Brooks 2003). I combined the
“invasibility” criterion of coexistence theory (i.e. can species increase when rare; Siepieliski
and McPeek 2010) with measures of species resource effects (i.e., can species influence
resources when abundant; Tilman 1982) in a field experiment that manipulated N and light
availability across species monocultures. I ask whether increased N availability facilitates
the dominance of a widespread annual exotic grass, Avena fatua, at the expense of native
perennial, Stipa pulchra, in California grasslands. I hypothesize that 1) species will coexist
under ambient resource conditions due to niche differences, 2) increased N will facilitate
invasion by minimizing species resource effects that contribute to niche differences, and 3)
increased N will enhance dominance of the exotic by intensifying the its resource effects.
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Methods
Study System

I used two dominant species found within California grasslands: Avena fatua L., an
exotic annual grass and Stipa pulchra Hitchc., a native perennial bunch grass (hereafter
Avena and Stipa, respectively; nomenclature follows Baldwin et al. 2012). These species are
an excellent model to explore species coexistence dynamics, how coexistence may depend on
positive feedbacks, and how these processes change along resource gradients. Both can occur as
dominants in California grasslands (Heady 1977, Seabloom 2011). Past studies in California
grasslands suggest that competitive rankings between exotic annual and native perennial grasses
often vary depending on initial conditions (Dyer and Rice 1999, Hamilton et al. 1999, Abraham
et al. 2009), indicating that frequency-dependent fitness differences may play a role in
dominance of both exotic and native grasslands. Other studies have found evidence for niche
partitioning mechanisms promoting coexistence (Harpole and Suding 2007) and fitness
differences (Seabloom et al. 2003b). However, few studies have simultaneously investigated
fitness differences resulting in either invasion or invasion resistance, and how these may depend
on positive feedbacks between these two dominants (but see Corbin and D'Antonio 2004b,
Thomsen and D'Antonio 2007).

Main Experiment

[ set up a two-way factorial experiment at the South Coast Research and Extension
Center (Irvine, CA 33°40' N, 117°49° W) where I established 5 replicate blocks of
monocultures of two species Avena and Stipa and manipulated nitrogen (N) availability
(low, ambient, high). Irvine, CA experiences a Mediterranean climate with the growing
season restricted to the period of precipitation, which falls between November and June.
Annual growing season precipitation during the course of the study (2009, 2010, 2011)
was 214mm, 175mm, 449mm and average growing season temperature was 16.0°C,
15.1°C, and 14.2°C, respectively (California Irrigation Management Information Services,
http://wwwcimis.water.ca.gov/cimis/welcome.jsp). Avena monocultures were established
by seeding at a rate of 10g/m?2, and Stipa monocultures were established by planting both
adult (Mockingbird Nurseries, Riverside, Ca) and seedling (UC Irvine greenhouse) plugs.

[ decreased N availability by adding sugar at a rate of 421 g C/m?2/yr! and increased
N availability by adding slow release calcium nitrate at a rate of 6g N/m2/yr! (Florikan®,
Sarasota, FL). These nutrients were added at three different times over the growing season
immediately before a rain event. Within the above experiment, I manipulated light
availability as a split-plot factor by setting up shade cloth 80cm tall around the west and
south facing sides of the plots as well as laying two strips of shade cloth 20cm wide across
the length of the plot, directly over the phytometers (described below). Light availability
was increased using vegetation tie-backs (Dickson and Foster 2011) and south-facing
mirrors (16cmx49.5cm, Zadro™, Huntington Beach, CA; Lepik et al. 2004). In total, the
experiment consisted of 90 1m? plots (2 vegetation x 3 N levels x 3 Light levels X 5 blocks).
To ensure that N was the limiting soil resource, I applied one treatment of triple
superphosphate every growing season at a rate of 4.5g*m-2. The experimental plots were
established in 2009, but no measurements were taken until the second year to allow the
monocultures and resource treatments to better establish.
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Reciprocal Invasions

In 2010 I planted 60 seeds of Stipa and 40 seeds of Avena in all plots. Due to poor
germination, I additionally transplanted Stipa seedlings to ensure that there were at least 8
“invading” individuals in every treatment. I refer to these seeded target individuals as
phytometers, hereafter. At the peak of the 2010 growing season, all Avena phytometers
were harvested to measure aboveground biomass and to count the number of spikelets per
individual as an estimate of fitness. Mortality of Stipa phytometers was recorded at peak
biomass in April 2010 and any surviving Stipa phytometers were left in the plots to assess
summer survivorship the subsequent winter (January 2011). I used an allometric
relationship to estimate aboveground biomass for the Stipa phytometers in April 2010. For
each seedling I counted the number of total leaves, height, and the number of ramets and
additionally harvested 33 naturally recruiting Stipa seedling within the experiment for
which [ made similar measurements. A separate allometric relationship was calculated for
each N treatment, using stepwise regression (low N: r2=0.80; ambient: r2=0.72; high N:
r2=0.86, fits listed in Appendix 1).

Resource measurements

To estimate N availability over the 2010 growing season, I measured resin
extractable N using ion-exchange resins. Two resin bags (lycra mesh with 10.5g of resin)
were buried 10cm below the soil surface in every plot in January. In May, all resin bags
were collected (for a total of 116 days), extracted with 2 mol/L KCl, and analyzed by a
continuous flow analyzer (A&L Western Laboratories, Modesto, CA). I measured soil
moisture of the top 20cm every month from January to April using time domain
reflectrometry (FieldScout TDR 100, Spectrum Technologies, Inc; Plainfield, IL).
Additionally I measured photosynthetically active radiation (PAR, AccuPAR LP-80, Decagon
Devices, Inc; Pullman, WA) above and below the vegetation canopy in every plot from
January to April. I estimated light availability as 1 minus the proportion of the difference
between the above and below canopy measurements to the above canopy measurement. In
2010, within the Avena plots I measured aboveground biomass by harvesting all biomass
within a 25cm x 25cm subplot and drying the samples at 60°C for 48hrs. To estimate
aboveground biomass of the Stipa plots, I established an allometric relationship using 30
Stipa adults from a separate neighboring experiment that also consisted of Stipa
monocultures. I measured basal circumference and the number of reproductive culms for
all the Stipa adults within the interior of each plot as well as for the 30 individuals that
were harvested. Due to the planting scheme of the adult Stipa plugs in the plots, there was
exactly one adult in every 25cm x 25cm area within the interior of each plot. I fit a single
relationship across the experiment, which estimated biomass based on the number of
reproductive culms (r2=0.76, fits listed in Appendix 1).

Analyses
Resource Availability

To verify any resource differences within the experimental manipulations, I used
proc mixed within SAS (version 9.3). For resin available N that had a single measurement
over the growing season we ran a three-way ANOVA, with community type and N
treatments as main factors and Light treatment as a split-plot factor, and block as a random
factor. For soil moisture and light availability, which were measured multiple times over
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the growing season, I ran a repeated measures ANOVA with community type, N and Light
treatments, and time as fixed factors and block as a random factor. To adjust for the time
series data, I used maximum likelihood estimations, adjusted degrees of freedom to
account the split-plot design as per Quinn and Keough (2002). I tested for interactions
within the fixed factors using post-hoc Tukey’s pair-wise tests.

To assess how all the resources varied simultaneously, | ran a principal components
analysis (PCA) with SAS (version 9.3). Due to the correlation of monthly light availability
and soil moisture measurements, I combined monthly measurements into early (January
and February) and late (March and April) growing season availability, for a total of six
resource variables (resin available N, early and late season light availability and early and
late season soil moisture, aboveground biomass). I applied a “varimax” rotation to the first
two principal components to facilitate the interpretation of the gradients of resource
availability.

Phytometers

To assess how phytometer growth and fitness differed within the two communities
and along the resource gradient, we again used the proc mixed module within SAS (version
9.3). For each species I conducted a three-way ANOVA, with community type and N
treatment as main factors and light treatment as a split-plot factor. Block was included as a
random effect and denominator degrees of freedom were adjusted to reflect the split-plot
factor, using a Sattherthwaite approximation. For Avena, spikelet production was used as
an estimate of fitness, and for Stipa, survivorship was used. These data were log
transformed and arc-sine transformed to meet assumptions of normality, respectively.
Because of the differences in life histories of these two species, I was not able to directly
compare the invader and resident fitness to assess if there were relative fitness differences
that contributed to either invasion or invasion resistance. Instead [ inferred these
dynamics, using evidence for negative frequency dependence (i.e., fitness was greater in
heterospecific community compared to conspecific), where the presence of negative
frequency dependence would infer niche differences and coexistence and the lack thereof
would indicate potential positive feedbacks contributing to invasion resistance. To account
for the additional recruitment filter for Stipa (i.e. summer survivorship of the perennial
seedlings), I ran two additional models for Stipa phytometers: 1) a three-way anova as
described above and 2) a backwise selection logistic regression using end of the growing
season soil moisture, community type and size as potential predictors of summer
survivorship and AIC scores to compare models within the “Ime4” package in R (version
2.15.1; Bates et al. 2011). I hypothesize that 1) the native perennial and exotic annual grass
will coexist if they are able to maintain a higher fitness or establishment success in the
heterospecific community under ambient resources, 2) increased N will facilitate invasion,
if the exotic annual is able to increase its fitness under high N within the perennial
community, and 3) increased N will enhance species dominance as a result of an interactive
effect of species effects and N availability, if fitness or establishment success of the ‘invader’
differed between the two communities under similar environmental conditions (note: here
[ use the term ‘invader’ to refer to a species entering a community at low abundance
regardless of its origin).

To tease apart the effects of species and resource availability on phytometer fitness,
I conducted an ANCOVA where for each species I regressed the PCA axes scores against
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spikelet number for Avena and survivorship for Stipa by community type using the “nlme”
package within R (Pinheiro et al. 2013). A significant effect of community type would
suggest that there are additional species effects independent of resources that are affecting
either fitness or survivorship and a significant interaction of community type and a PCA
axis would indicate the presence of either a negative or positive feedback.

Results
Resource Availability

Resin available N was the greatest in the high N treatment but did not differ
between the low N and control treatments (Fz,24=12.50, P<0.001) and did not differ across
species or light treatments (F1,24=0.30, P=0.59; F2, 48=0.01, P=0.99, respectively). Soil
moisture was greatest in February for all N treatments, decreased throughout the rest of
the growing season (F3, 144=256.7 P<0.0001) and was lowest in high N plots at the end of
the growing season (NxTime Fe¢, 144=15.24, P<0.001). Soil moisture did not vary across the
light manipulations (F2,48=1.15, P=0.32) but was lower in high N plots regardless of species
type (F2, 24=52.45, P<0.0001). Finally, soil moisture did not vary between the Stipa and
Avena plots (F1,24=0.53, P=0.47).

Aboveground plot biomass was greater within Stipa plots compared to Avena (424.7
g*m? vs 213.6 g*m2, F1, 24=9.73, P<0.005) and increased along the N treatments (F2,
24=45.21, P<0.001). Biomass decreased the most in the annual low N plots (Type*N, F>,
24=15.60, P<0.001) but did not vary across the light treatments (Fz, 48=1.67, P=0.20). The
first principal component described the availability of N and soil moisture within the plots
such that soil moisture decreased as resin available N and plot biomass increased across
this axis; it described 32.2% of the variation in the resource dataset (Figure 1).

Light availability was greater in the perennial Stipa neighborhood compared to the
annual Avena (F1,24=61.45, P<0.0001) and lower in the high N plots compared to the low N
and ambient N plots (Fz, 24=13.36, P<0.0001). Light availability did vary according to my
light manipulations (F2, 48=110.8, P<0.0001). Although light availability tended to increase
over the growing season across all the plots (F3144=15.17, P<0.0001), mean light
availability did not differ over the growing season within the Stipa plots (Type*Time,
F3,144=25.63, P<0.001). Light availability over the growing season varied differently within
the N treatments, where it increased over time in the low and ambient N plots but did not
change within the high N plots (Nitrogen*Time, Fs144=16.16, P<0.001). Early and late
season light availability was described by the second principal component and described
an additional 30.8% of the variation in the resource dataset (Figure 1).

Annual Phytometers

Avena phytometers were five times larger in Stipa plots compared to Avena plots
(F1,24=37.37, P<0.0001) and increased in size along the N gradient (0.39g, 0.62g, 1.58 g,
respectively; F224=8.76, P<0.0027). Moreover, these phytometers were on average 20
times larger in high N, Stipa plots compared to ambient N Avena plots (6.05g vs 0.28g,
respectively; Type*N F;24=3.52, P<0.05).

Average fitness (i.e. spikelet production) of an Avena phytometer was greater in
Stipa compared to Avena plots (17.6 vs 3.5 spikelets, respectively; F124=46.40, P<0.0001).
Avena’s average fitness also increased with N (4.5, 7.1, 15.1 spikelets, respectively,
F224=4.17, P=0.03) . Nitrogen addition tripled the fitness of Avena phytometers in Stipa
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communities but did not affect the average fitness of Avena within Avena communities
(Figure 2, Type*N F224=4.17, P<0.05). Avena phytometer weight was similar between high
and low light plots and was larger in both of these plots compared to the ambient light
plots (F2,48=3.30, P<0.05; ); Avena fitness followed the same trend as Avena weight within
the light manipulations (F248=4.22, P=0.02).

Avena fitness decreased along PC1 as N availability and plot biomass decreased and
soil moisture increased and it decreased more sharply within Stipa neighborhoods (PC1:
F186=35.98, P<0.001; PC1*Type:F18=12.49, P<0.001; Figure 4a). Avena fitness similarly
decreased along PC2 as light availability increased (PC2: Fi8=6.60, P<0.05;
PC2*Type:F1,86=3.56, P=0.06; Figure 4b).

Perennial Phytometers

Survivorship of Stipa seedlings at the end of the growing season was greater in Stipa
plots regardless of N level (Type: F1,24=53.42, P<0.000;1 Figure 3a). Within Avena plots,
Stipa survivorship decreased as N availability increased (Figure 3a; Type*N: F224=9.84,
P<0.001). The mean weight of a surviving Stipa phytometer at the end of the first growing
season was less than 0.10g; however, individuals were still larger in Stipa plots compared
to Avena (0.044g vs 0.015g, respectively; F1,242=51.38, P<0.0001). While biomass for an
individual tended to increase with N, it was greatest in ambient and high N Stipa plots (N:
F2241=3.02, P<0.07; Type*N F124=15.07, P<0.0001). Stipa biomass did not differ among the
light treatments (F245=0.37, P=0.69). Stipa phytometer survivorship decreased over the
summer within both neighborhoods. While summer survivorship was greater in Stipa
compared to Avena plots, it did not vary within Stipa plots along the N gradient (Figure 3b;
Type: F1,243=0.5.09, P=0.03 ; N*Type: F2243=8.90, P=0.001). Conversely, within Avena plots
Stipa survivorship increased as N level decreased (Figure 3b: N*Type: F2243=8.90,
P=0.001).

Stipa survivorship increased within both neighborhoods as soil moisture increased
and soil N and plot biomass decreased and similarly with increased light availability (PC1:
F186=8.91, P<0.01; PC2: F186=44.45, P<0.001) but this relationship was stronger within
Avena plots (PC1*Type:F186=6.16, P<0.02; PC2*Type:F186=4.9, P=0.03; Figure 4c, d,
respectively). Though growth over the first growing season alone did not predict summer
survivorship (z=-0.802, P=0.42), summer survivorship was dependent on neighborhood
and soil moisture such that survivorship was greater in perennial plots and increased with
April soil moisture (Type: z=3.69, P<0.001;SM: z=3.71, P<0.001); however the importance
of soil moisture to summer survivorship was dependent on neighborhood (SM*Type: z=-
3.93, P<0.001,Table 1).

Discussion

As environmental change alters the timing and availability of resources, it is
changing the niche and fitness differences that promote coexistence (HilleRisLambers et al.
2012). Within this study I observed that increased Nitrogen (N) availability altered the
fitness of both the native perennial Stipa and the exotic annual Avena to promote the
invasion of the native community and enhance the dominance of the exotic community.
These results support the observed pattern of an increase in annual species under N
enrichment and further support the hypothesis that increased soil N levels will promote
plant invasions (Vitousek et al. 1997a, Suding et al. 2005, Cleland et al. 2011). Morever, the
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dependency of native and exotic establishment on starting conditions suggests that species
impacts that result in priority effects as well as resource availability can play an important
role in predicitng responses to environmental change (Abraham et al. 2009).

Empirical studies are an important component of improving our understanding of
the extent that environmental change is affecting the mechanisms that promote species
coexistence and diversity. My approach allowed me to explore how the differences in
inter- and intraspecific interactions can contribute to observed species coexistence by
focusing not solely on the growth of individuals but on an individual’s fitness. For the
exotic annual, I observed that it had greater per capita fitness within the native perennial
monoculture, compared to a monoculture of its own species (Figure 3). This negative
frequency dependence for the exotic annual suggests that within the native perennial
population at low and ambient resource conditions, niche partitioning would likely
promote coexistence between Stipa and Avena, as hypothesized. While I was not able to
follow these populations until they reached a new equilibrium state to confirm coexistence,
these results support the abundance patterns found in other studies where an exotic
annual is able to persist within a native Stipa pulchra stand (Seabloom et al. 2003b, Corbin
and D'Antonio 2004b).

Integrating the impact that a species has on its environment is key to improving our
understanding of how environmental change can shift species interactions and ultimately
change community composition. Frequency dependent species impacts on N availability
have conferred dominance in many perennial dominated herbaceous systems, where we
are already observing compositional shifts due to N enrichment (Wedin and Tilman 1990,
Suding et al. 2005). I found evidence for these positive feedbacks within the perennial Stipa
plots, as its survivorship was greater within its own plots; while I did not observe strong
effects of the Stipa on N availability, Stipa had strong impacts on light availability within its
plots. Ultimately, however, it is unlikely that this positive feedback would confer invasion
resistance for the perennial community under high N scenarios. The large increase in
Avena’s fitness under high N in the Stipa plots is indicative of a change in the relative fitness
differences of the two species, which would favor the population growth and invasion of
the exotic (Huenneke et al. 1990, MacDougall et al. 2009).

Results from this study can also be applied to question whether Stipa populations
could re-invade invaded areas, given sufficient propagule pressure. Here, I found little
evidence to expect this natural colonization, particularly at high N. The low survivorship of
the native Stipa under ambient and high nitrogen conditions suggests that the exotic annual
has altered the environment to promote its own growth. This positive feedback was
stronger under high N conditions as almost no perennial seedlings were able to establish in
these plot, supporting the idea that exotic plants can form persistent
communities(Kulmatiski 2006); however a longer term study would be needed to fully
evaluate their stablility. Morever, these dynamics suggest that as nitrogen levels increase
with atmospheric deposition, native communities may be more susceptible to invasions
after a disturbance, as the exotic annuals may be able to reach more quickly the frequency
needed to exhibit positive feedback dynamics (MacDougall and Turkington 2005,
Kulmatiski 2006).

I[s the poor native perennial establishment within the exotic annual community
solely due to a shift in limiting resources (i.e. a shift from nitrogen to light limitation) as
theory predicts? The native perennial’s mean survivorship and growth did not vary across
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the light manipulations, which is likely due to the fact that the light availability at the
beginning of the growing season, while different between the two species, did not differ
between some of the light treatments (i.e. light availability was similar between the
ambient and high light perennial plots and between the ambient and low light annual
plots). The principal components analysis, however, did show that perennial survivorship
increased with increasing light availability within the exotic annual plots, as predicted
(Figure 4d, solid line). However my experimental manipulations allowed me to separate
the natural inverse relationship of nitrogen and light availability. This approach revealed
that under low nitrogen conditions regardless of light availability, the perennial Stipa was
able to more successfully survive the first growing season and additionally the summer
(Figure 4a,b). These results suggest that even though light availability may improve
survivorship, belowground competition for resources may be more strongly limiting
recruitment of native perennials into these exotic annual dominated systems (Rajaniemi et
al. 2003).

While species effects likely influence belowground competitive interactions in this
system, effects on factors other than resources may also be involved. For instance, even
when I simulated low light availability and high nitrogen availability within the native
population, Stipa seedling survivorship was still greater compared to the similar resource
environment in the Avena plots, suggesting that the perennial Stipa may be altering
dynamics other than resources to improve its survivorship. While I was not able to explore
these dynamics within this experiment, plant-fungal feedbacks have been shown to
improve native species colonization within California grasslands (Vogelsang and Bever
2009).

Establishing within a Mediterranean climate for a perennial species means being
able to survive the summer heat and drought. Tracking individuals through this additional
filter revealed another important resource trade-off - that of soil nitrogen and soil moisture
availability (Figure 1, axis 1). I found that summer survivorship for Stipa seedlings
increased with soil moisture at the end of the growing season, and soil moisture was the
lowest in high N plots at the end of the growing season (Table 1). Exotic annual grasslands
have been shown to utilize and deplete soil moisture more rapidly during the early growing
season and this may be intensified under high N conditions such as those created by
atmospheric N deposition (Holmes and Rice 1996). This altered resource use pattern may
leave perennial seedlings more vulnerable to summer mortality, as | observed here. This
summer recruitment filter may become more critical for native perennial restoration
efforts within California, as future precipitation patterns may interact with amtospheric
deposition rates to influence exotic annual ecosystem level responses to higher nitrogen
availability (Harpole et al. 2007).

Although these results are based on a short term study, I found strong evidence of
species impacts that lead to positive feedbacks for both the native perennial and exotic
annual. However these dynamics would likely only translate to invasion resistance for the
exotic annual particularly under high N scenarios. The increase in fitness of the exotic
annual within the native perennial under high nitrogen is evidence that an invader can
interact with environmental change drivers, increased N levels in this case, to shift
dynamics from coexistence to invasion (Didham et al. 2005). I did find evidence to support
the prevalent management strategy of ammending soil nitrogen levels, as the native
perennial had higher survivorship within the exotic annual community under the low
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nitrogen manipulation; however the higher summer perennial survivorship within these
plots indicates that the success of this strategy is not solely due to an altered competitive
environment for soil nitrogen but due to its indirect effects on soil moisture. Disentangling
the contribution that species impacts may have on resources and subsequently species
fitness will be key to understanding how species will respond to environmental change and
how invaders may interact with this change to shift communities from invasion resistance
or coexistence to invasion. Furthermore, understanding how environmental change may
interact with invader impacts will be important to implementing successful restoration
strategies.
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Table 1. Summary of factors important to Stipa phytometers’ summer survivorship.
Results shown are from a generalized liner model fit by the Laplace approximation with
Binomial errors. Subplot and Block were included as random effects.

Fixed Effects Estimate Z value
Intercept -4.718 + 2.25 -2.10*
Weight (log-transformed) -0.377 +0.47 -0.80
Soil Moisture-April 0.279 + 0.08 3.71***
Neighborhood Type 3.919+1.06 3.69%**
Weight : Soil Moisture 0.037 + 0.02 3.37*
Soil Moisture : Type -0.132 +.03 -3.93%#*

* p-value = 0.01, *** p-value<0.0001
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Figure 1. Biplot from rotated PCA ordination of the relationship among seasonal resource
availability within plots. Principal components 1 and 2 explain 32.2% and 30.8% of the
total variation in resources among the plots. Early and late are means for January and
February or March and April, respectively. SM = soil moisture, PAR= light availability,
Resin= resin available Nitrogen, Plot_biomass= aboveground biomass per m2. Filled circles
represent the native perennial Stipa plots and open circles represent the exotic annual
Avena plots.
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Figure 2. Fitness of exotic annual grass (Avena fatua) in annual (Avena, squares) and
perennial (Stipa, circles) communities along a N gradient. Avena fitness was 15 times
greater in perennial communities under high N compared to all other treatment
combinations. Avena fitness was similar along the N gradient in the annual community
type. Means + 1 SE and are log back-transformed LSmeans.
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Figure 3. Survivorship of perennial grass (Stipa pulchra) in perennial (Stipa, circles) and
annual (Avena, squares) communities along a nitrogen (N) gradient. Survivorship was
highest during the growing season in perennial community types regardless of N level (a,
dashed line) but lowest under high N in the annual community type (a, solid line). Summer
survivorship in the perennial community type was lowest under low N (b, dashed line) but
tended to be higher under low N in the annual community type (b, solid line). Values are
LSmeans + 1 SE.
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Figure 4. Relationship between the annual grass phytometer fitness (a, b) and perennial
grass phytometer survivorship (c,d) and seasonal resource availability during the growing
season, where high PC1 values indicate high soil moisture but low nitrogen availability and
aboveground biomass and high PC2 values describe higher light availability. Fitness for the
annual grass decreased along both resource axes (PC1:1r2=0.56, PC2:r2=0.41), but decreased
more within perennial community types (filled circles; PC1*Type: p-value<0.001;
PC2*Type: p-value=0.06). Survivorship for the perennial phytometers increased with soil
moisture (PC1, r2=0.51) and with light availability (PC2, r?=0.47) but increased more
within the annual community (open circles; PC1*Type: p-value<0.02; PC2*Type: p-
value=0.03). Lines represent back transformed log linear relationships for ‘a’ and ‘b’ and
back transformed arcsine relationships for ‘c’ and ‘d’.
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Chapter 4

Effect of propagule pressure on recovery of a California grassland after an
extreme disturbance

Introduction

Disturbances play an important role in shaping communities and ecosystems (Jentsch
2007, Fukami and Nakajima 2011). Large-scale disturbances can initiate successional
dynamics, ensuring the persistence of many species via the subsequent stages of
recolonization (Clements 1916, Connell 1978) and enhancing diversity at the landscape
scale (Collins 1990, Cook et al. 2005). These dynamics are particularly critical in invaded
landscapes of conservation concern (Buckley et al. 2007), as these same disturbances can
provide windows of opportunities for invasion of exotic species, whose subsequent effects
may shift the successional trajectory (Hobbs and Huenneke 1992, Huston 2004,
MacDougall and Turkington 2005). These interactions will likely become even more critical
as the frequency of extreme climate events (e.g., floods, drought) increases (Turner 2010).
To effectively manage resilience to these future disturbances, it is important to understand
the complexity of disturbance regimes and their ecological impact (Mori 2011). An integral
part of this is understanding the relative responses of species within a landscape to
disturbance (D'Antonio et al. 2001).

Initial recovery after a disturbance commonly depends on the species present prior
to a disturbance leaving residual individuals, either vegetatively or in the seed bank (Noble
and Slatyer 1980, Turner et al. 1998, Meiners et al. 2002). Residuals from the seed bank are
often dominated by annual species that grow faster than perennial species growing from
seed (Cook et al. 2005); however, residual perennial plants can reestablish vegetatively
after a disturbance and achieve large sizes more quickly than those that start from seed
(Gleeson and Tilman 1994). In cases where natives and exotics differ in life history, this
balance of residual components (vegetative, seed bank) is thought to influence interactions
between native and exotic species during the “invasion window” following a disturbance
(Meiners 2007, Tognetti et al. 2010) and to result in a classic competition-colonization
tradeoff (Levins and Culver 1971). While these tradeoffs could strongly influence invasion
dynamics, there have been few explicit tests (but see Keeley et al. 2005).

Our understanding of how interactions between species characteristics and
propagule pressure impact invasion success following a disturbance is limited (Zouhar et
al. 2008). Propagule pressure, either from residual plants or new colonists from
surrounding patches, can strongly influence post-disturbance regeneration and invasion
success (Lockwood et al. 2005, Colautti et al. 2006). While dispersal from surrounding
intact communities can influence recovery of an area after disturbance (Connell and Slatyer
1977), large disturbances can isolate areas and initiate within these isolated areas
nucleation processes as residuals either vegetative or from the seed bank become the foci
for colonization and expansion of populations (Zobel et al. 1993, Turner et al. 1998).
Recovery of the native species in a patch can stall if recovering neighboring patches are
dominated by exotics with high dispersal capabilities that colonize the native patch before
the native patch is able to recover (Moody and Mack 1988, D'Antonio et al. 2001, Platt and
Connell 2003).
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Here, I investigate how propagule pressure influences invasion following an
extreme disturbance (an intense fire following a record drought). I focus on a situation
common in invasion, where exotics and natives differ in both their regeneration strategies
and dispersal abilities, and investigate how these differences may alter early successional
dynamics in a patchy, invaded landscape (Cook et al. 2005, Meiners 2007). I predict that, if
the exotic annual is able to disperse into and establish within the native patches, the
colonization window following a disturbance should result in a homogenization of the
landscape over time towards exotic annual dominance. In contrast, if dispersal among
patches is limited, both native and exotic patches should be maintained in the landscape as
local competition dynamics determined by residual individuals (both vegetative and
seedbank) would determine recovery (Figure 1).

Throughout California large portions of native grasslands have been invaded by
exotic annual grasses from the Mediterranean (Heady 1977). Traditionally this invasion is
thought to be a result of the exotic grasses competitive advantage over the native grasses
(Dyer and Rice 1997, 1999); however recent research within California suggests that these
invaders may be the ‘passengers’ not the ‘drivers’ of change (HilleRisLambers et al. 2010).
If disturbance does favor these invaders then understanding the mechanisms by which the
invader is able to capitalize during recovery is important for management (Firn et al.
2008). Furthermore, weather perturbations, such as drought, can alter the intensity of a
disturbance and the community’s response to the compounded events (Paine et al. 1998).

[ focus on the effects of an extreme disturbance -- a record drought followed by a
large-scale fire -- on a patchy, invaded grassland landscape in California. The goal of this
study was to evaluate 1) the temporal pattern of native perennial and exotic annual
grassland recovery after the disturbance and 2) how landscape (i.e. propagule pressure)
dynamics following disturbance contribute to the recovery of native grasslands or the
spread of exotic annuals.

Methods
Study Site

[ conducted this study at Loma Ridge in Irvine, California within the Irvine Ranch
Land Reserve (N:33.7501 W:-117.71787). The climate is Mediterranean with a growing
season from November to June as determined by rainfall (e.g., the 2010 growing season
was from November 2009 to June 2010). Average growing season rainfall from 1991-2010
was 330 mm and average growing season temperature over the same period was 20.9°C.
Annual precipitation over the course of the study (2007-2010) was 68, 211, 214, and 175
mm, respectively (California Irrigation = Management Information Services,
http://wwwcimis.water.ca.gov/cimis/welcome.jsp). The first growing season (November
2006-June 2007), just prior to the burn I studied (October 2007), was one of the driest
years on record (Keeley et al. 2009).

Loma ridge is a topographically-complex site with a string of grassland vegetation
on the ridge top and on north and west facing slopes, a steep erosional cliff on the southern
edge, and coastal sage scrub vegetation to the north on south facing slopes. While variable,
most of the grassland area was less than 0.3km in width, delimited by the cliff and sage
scrub vegetation to either side. During the 2007 growing season (prior to the fire), I
identified eight grassland sites each containing paired patches dominated by either native
or exotic species. These eight sites were within 2km of each other along the ridge. Patches
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were designated by the dominance (>80% abundance) of the native perennial grass, Stipa
pulchra Hitchc., or exotic annual grasses, Avena fatua L. and Bromus diandrus Roth, and
were at least 20m? in size. I used paired patches to minimize possible differences in
environmental characteristics, such as slope and aspect, and paired patches did not differ
in soil texture (Larios unpublished data). A small two-track road provided access along the
ridge but was limited to researchers and security patrols. At each of the eight sites, I set up
two 1m? plots, randomly within each native and exotic patch (a total of 32 plots). Plots in
paired patches within a site were 10-15 m apart, while plots within a patch were 2-5m
apart.

All of these sites were burned in the 2007 arson-caused Santiago wildfire, which
occurred from Oct 21 -Nov 4, 2007, and was the most disastrous fire in Orange County in
over 30 years (OCFA 2008 , Figure 2). The fire was intense; it completely removed all
aboveground vegetation and litter from the study site and in total burned 28,517 acres
(OCFA 2008), leaving no unburned intact grassland communities within 5km. Due to the
scale of the fire as well as the timing of the extreme drought, I focus on temporal dynamics
of recovery following 2007. While I was not able to include comparison with areas that did
not burn or experience the intense drought, observational evidence indicates that the
patchy mosaic within the eight grassland sites had been present on Loma Ridge for at least
a decade prior to the burn (T. Smith, personal communication).

Measurements

[ measured aboveground biomass and species composition annually from 2007-
2010 (the drought year prior and three years following the fire). Each year at peak
biomass, I clipped all aboveground biomass at ground level within a 25x25cm subplot and
sorted the biomass to species (nomenclature after Baldwin et al. 2012). Native perennial
biomass was additionally sorted as either adult or seedling to distinguish between residual
vegetation and newly colonizing vegetation. A subplot was never sampled twice. After
sorting, samples were dried at 60°C for 48 hours and weighed.

To estimate propagule pressure, I measured seed rain along transects that ran
between paired native and exotic patches. I took these measurements in five additional
sites that had also burned in the Santiago Fire and were adjacent to the sites where |
measured species composition. At these five sites, I set up three 8m transects that extended
from the center of a native patch, across the patch edge, and into the center of an exotic
patch. To collect seed rain, I placed petridishes (8.5 cm in diameter) filled with sticky resin
(Tanglefoot™, Conotech Enterprises, Canada) every 80cm along the 8m transect. I collected
seed rain over the entire seed dispersal period the first year after the fire (April-October
2008), checking traps biweekly and replacing them once in July. I identified and counted all
seeds within each trap using a reference seed collection. Additionally, I counted seedlings
(stem counts) in a 25 x 25cm subplot at each of the above-mentioned sampling points, the
following growing season (2009) to estimate how seed rain related to subsequent
recruitment.

Analyses

To compare aboveground biomass and species richness over time between native
and exotic patches, I used a linear mixed effects model with Patch Type and Year as fixed
effects, and Site as a random factor. I additionally included precipitation as a continuous
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variable to account for interannual variability related to rainfall; however I did not include
the 3-way interaction of Year, Type and Precipitation. When precipitation was not a
significant variable, I dropped it from the analyses. For all analyses I averaged the values
for the two plots within each patch and used R statistical software (version 2.15.0,
RDevelopmentCoreTeam 2012). All linear mixed effect analyses were run using the “nlme”
package (Pinheiro et al. 2011).

To evaluate the recovery of the native and exotic patch types (designated prior to
the fire), 1 first grouped species into three abundance categories (dominants,
subdominants, and rare) based on species rank abundance curves within each patch type
(Grime 1998). Using the “BiodiversityR” package (Kindt and Coe 2005), I calculated a rank
abundance curve within each patch for each year following the fire (2008-2010). I did not
use abundance from 2007 to classify species groups as several of the less abundant species
were notably absent due to the drought. I classified a species as “dominant” if it was
present in a patch all three years with 20% or greater abundance each year. A subdominant
was present with abundances between 1- 20% within any year. A rare species was present
with a maximum abundance of 1%. Note that these groupings were based on rank
abundance curves in exotic and native patches, not on the origin (exotic or native) of the
species. To incorporate origin, these groupings were subdivided based on species origin
(either native or exotic; Appendix 2). Using this classification, the perennial bunchgrass,
Stipa pulchra, was the only native dominant, while three annual grasses (Avena fatua,
Bromus diandrus, and Festuca perenne) comprised the exotic dominant grouping.

To assess recovery of the species groups, I ran a linear mixed effects model for each
group with initial Patch Type (native or exotic) as a fixed effect, Year (2007-2010) as a
continuous effect and Site as a random effect. I conducted post-hoc contrasts to compare
groups when a significant interaction (Patch Type x Year) was present. There were many
cases where a species group was frequently absent in a given patch type (e.g., native
dominants in exotic patch type); therefore, to assess how the abundance of the native and
exotic species groups shifted through time, within each patch type I additionally conducted
a similar linear mixed model as described above but with species Origin (native or exotic)
instead of Patch Type as a fixed effect. If a group still lacked adequate representation, I
dropped the comparison that was lacking adequate representation. To account for the lack
of independence between plots over time, I estimated effects based on maximum likelihood
estimations (Everitt and Hothorn 2011).

To determine propagule pressure, | averaged seed rain at each distance among the
three transects within each sampling site. We compared exotic (Avena fatua, Bromus
diandrus, and Festuca perenne) and native (Stipa pulchra) seed rain within each distance
with paired t-tests. To assess how this seed rain related to abundance the following
growing season, I conducted a linear mixed effects model for the abundance of each of the
native and exotic dominants with Seed Rain as a continuous factor, Block as a fixed factor,
and Distance along the transect as a random factor.

Lastly, to determine the dependencies between abundances in paired patches
within a site (i.e, a indicator of dispersal among patches), I calculated Bray-Curtis
dissimilarity (Bray and Curtis 1957) between the paired native and exotic patches within
each site using the species abundance groups. I compared dissimilarity over time using a
linear mixed effects model with Year as a continuous factor and Site as a random effect. |
interpreted a decrease in dissimilarity over time as evidence of homogenization across
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sites. I then examined three factors that could explain dissimilarity patterns across sites:
average site aboveground biomass, species richness (i.e., the total number of species) and
the abundance of exotic dominants establishing in native patches.

Results
Environment

Aboveground biomass was lowest during the drought year (29.34 g/m?; 2007) and
increased after the fire (607.67, 738.75, & 586.08 g/m?; F153=18.02, P<0.001). It also was
greater in patches initially dominated by exotics compared to natives (F1,53=4.44, P=0.04;
Appendix 3a). Species richness increased over time (2.4 in 2007 to 4.7 in 2010;
F153=13.07, P<0.001) and was significantly greater in the native patches than exotic
patches in 2009 & 2010 (Year X Type interaction, F153=6.81, P=0.01, Appendix 3b).
Precipitation did not consistently influence aboveground biomass or species richness
(F1,50=1.76, P=0.19 and F150=0.65, P=0.43); however, the low precipitation in 2007 was
likely responsible for the very low biomass and low richness (particularly in the native
patches) during this year.

Response of Native and Exotic Dominant Species

Following the drought and fire, abundance of the dominant species in native patches
changed with exotics invading native patches (Table 1, Figure 3). However, the exotic
dominants maintained high abundances in the exotic patch type in each of the three years
after the disturbance. In the native patch type, exotics increased from less than 2%
abundance during the drought year to 25% the year after the fire, and reached 80% two
years after the fire. The native dominant, Stipa pulchra, was absent from all but one exotic
patch. In the native patches, Stipa abundance decreased from almost 100% prior to the fire,
to 60% the year following the fire, to approximately 25% in the subsequent years (Figure
3b). Additionally within the native patches, no Stipa seedlings were present in the drought
year (2007) or the year right after the intense fire (2008); however, they made up 37% and
14% of the Stipa biomass in 2009 and 2010 (non-drought years two and three years after
the fire), respectively.

By the second year after the fire, the abundances of exotic dominant grasses did not
significantly differ between patches that they initially dominated and patches where Stipa
initially dominated (Year x Type interaction, Table 1; Figure 3a,b), and by the second and
third years after the fire (2009, 2010), exotic dominants were greater in abundance than
Stipa even in the initially-designated native patch type (Origin x Year interaction, Table 1;
Figure 3a).

The native dominant, Stipa, never produced more seed rain than the exotic
dominant grasses, regardless of patch type. Within native patches where Stipa abundance
was still averaging over 50%, seed rain was similar for both the native dominant and exotic
dominants (t=0.49, P= 0.65 at Om, the start of the transect in the native patch core; Figure
4a). The seed rain of the natives was also positively correlated with the density of native
seedlings the following year (r2=0.79; P<0.001; Figure 4b). In the exotic patch type, exotic
dominant seed rain was approximately 28 times greater than seed rain from native
dominants. The seed rain of the exotics positively correlated with density of exotics (stem
counts) the following year (r2=0.74, P<0.001; Figure 4b).
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Response of Native and Exotic Subdominant Species

The abundance of subdominant species did not consistently shift after the
disturbance within either community type. These species were similarly abundant (10%
abundance) in native and exotic patches across all years except for the year following the
fire where they increased in abundance in exotic patches (from 10% to almost 30%, Year x
Type interaction, Table 1). The abundance of native subdominant species was variable
within the native patches, and they were rarely present in the exotic patch types (Figure
3a,b).

Community Response

The paired native and exotic patches, while initially very different from one another,
became less dissimilar (i.e.,, more similar) to each other after the disturbances (F1,23=60.96,
P<0.001; Figure 5). This decreased dissimilarity was positively correlated with the
abundance of exotic dominants in the native patch type (F1,21=124.70; P<0.001; Figure 5)
and was not correlated with average site aboveground biomass or species richness
(p=0.54, P=0.60, respectively).

Discussion

Recovery after a disturbance is often highly dependent on the presence of residuals
(Turner et al. 1998). In this case, after a record drought followed by an intense arson-
caused fire, the native perennial residuals did not translate to a recovery of the native
community type as would be predicted by the classic competition-colonization tradeoff
(Figure 1, solid lines). Instead I observed a homogenization of the landscape over time as
the abundance of exotic dominants increased within the initially-native patches (Figure 1,
dashed lines). While annual exotics were not abundant in the seedbank within the native
patches immediately after this extreme disturbance, a large influx of exotic annual seed
from the neighboring exotic annual patches occurred in the first year following the fire.
This strong propagule pressure resulted in high recruitment of exotic annuals and possibly
an increased competitive environment for native perennial seedlings in subsequent
growing seasons. These results suggest that dispersal among patches is a strong
mechanism governing recovery trajectories and can likely initiate ‘replacement
competition’ dynamics between new propagules (sensu Yu and Wilson 2001).

Competition-colonization tradeoffs traditionally argue for the displacement of the
inferior competitor/better colonizer over time (Levins and Culver 1971). However the
superior competitor is often more susceptible to extinction following habitat loss because it
is strongly recruitment limited (Tilman et al. 1994, Tilman et al. 1997). While I was not able
to measure mortality rates of individual Stipa plants, it is possible that the fire immediately
following a record drought led to a more intense and thus severe fire and caused higher
mortality of Stipa individuals than would be expected by either the fire or drought alone.
Bunchgrasses can continue burning after a fire has swept through an area making them
vulnerable in a high intensity fire (Dyer 2003, Keeley et al. 2011).

Limited in-situ regeneration of the perennial grasses can create gaps of bare ground
that could provide viable microsites for colonization by incoming propagules, increasing
the relative importance of dispersal and subsequent recruitment for the recovery of the
native community (Kotanen 1997, Paine et al. 1998). These “colonization windows” created
by disturbances can increase the susceptibility of a community to invasion (D'Antonio et al.
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2001). Within the exotic patches, I observed that seed rain the year after the fire (2008)
was dominated by the annual exotic dominants, such that there was little native dominant
seed input into the exotic patches. Conversely within native patches, I observed
comparable seed rain for native and exotic dominants; however, this seed rain translated to
double the recruitment of exotic annuals compared to native perennial seedings the
subsequent year (2009) and a high abundance of exotic annuals the following year.
Additionally, studies have shown the Stipa has a limited seedbank (Major and Pyott 1966,
Cox and Allen 2008), and the lack of any Stipa seedlings during the first growing season
after the fire suggests that the Stipa seedbank is likely susceptible to intense fires, which
would limit the population’s recovery to vegetative adults during the first year. While I was
not able to fully isolate the effect of propagule pressure by experimentally manipulating
seed inputs, these results support previous work showing limited seed dispersal and
propagule pressure of the native perennials and high propagule pressure and dispersal
ability of the exotic annuals (Seabloom et al. 2003b, DiVittorio et al. 2007, Seabloom 2011).
Furthermore, these results support that the dominance of exotic annuals is the result of the
highly fecund annuals being able to recover quickly after a disturbance and capitalize on
the “colonization window” (Corbin and D'Antonio 2004b, HilleRisLambers et al. 2010).

Within 3 years after the drought and fire I observed the homogenization of these
grassland patches. Evidence suggests that these trajectories will be maintained, as natural
recovery of native perennials is rare and has only been shown consistently in California’s
coastal prairies (Hatch et al. 1999, Kotanen 2004). While I cannot attribute the cause of this
homogenization to any single factor, I expect similar dynamics following events that cause
large-scale mortality of the native perennial species.

Recruitment of native perennial seedlings is likely constrained by factors quite
different than those maintaining resistance to invasion in established native perennial
grasslands. While previous research within California has shown that the native perennial
bunchgrass, Stipa pulchra, is a superior competitor to exotic annual grasses (Corbin and
D'Antonio 2004b), the observed recruitment dynamics support previous research that
native seedlings are unable to grow quickly enough to effectively compete against the
exotic annual grasses and transition into adults (Dyer et al. 1996). This new competitive
hierarchy is possible within stage-structured populations like that of a perennial
bunchgrass, which have multiple growth stages (e.g., seed, seedling, and adult; Yu and
Wilson 2001).

California’s grassland species composition and biomass fluctuates with the variable
rainfall in California (Pitt and Heady 1978) and as a result abiotic factors can be more
important in determining grassland species composition than biotic factors (Jackson and
Bartolome 2002). In 2007, biomass and species richness were lowest across both patch
types, likely due to the severe drought during that growing season. Although I did not find
precipitation was a good predictor of biomass and diversity over time, this is likely due to
the fact that annual growing season rainfall did not vary much in the years following the
fire.

Fire has been an integral part of California’s grassland ecosystem (Reiner 2007); it
can increase the fecundity and establishment of native perennial grasses like Stipa pulchra
(Ahmed 1983, Langstroth 1991) and reduce the fecundity of invaders (DiTomaso et al.
1999) depending on the timing of the fire (Meyer and Schiffman 1999). Therefore,
prescribed burns are often advocated as a tool to restore native grasslands (Menke 1992).
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While I cannot conclude with certainty the relative importance of the drivers responsible
for the dramatic changes I observed, it may be that large-scale wildfires may result in
dynamics different than prescribed burns, particularly if they interact with weather
perturbations.

Sequential disturbances acting upon a system can interact to produce synergies that
can alter a community’s response and resilience to a disturbance (Paine et al. 1998, Davies
et al. 2009). Identifying when these interactions will occur and understanding the potential
synergistic effects is critical for land management under continuing global change (Turner
2010). Southern California is predicted to experience more severe droughts (Bell et al.
2004, Hayhoe et al. 2004) and is already experiencing altered fire regimes due to increased
human activity (Syphard et al. 2007). Understanding how native perennial grasslands
respond to these combined disturbances will be important to their future management and
conservation.

While disturbances can promote native communities in some cases, this work
suggests that it is important to consider landscape context as well as its interaction to other
disturbances or weather patterns. Moreover, a less-intense fire following a particularly wet
year may have facilitated native expansion rather than the contraction. Native perennial
recruitment is highly limited by seed availability (Seabloom et al. 2003b, Seabloom 2011)
and can be easily thwarted by the rapid colonization of exotic annuals in invaded
landscapes (Seabloom et al. 2003b). Understanding the relative importance of dispersal
limitation on the recovery of the native species can have significant impacts on
management efforts.  Furthermore, management strategies to enhance vegetative
regeneration of natives and decrease propagule pressure of exotics such as low intensity
prescribed fires and to introduce native species via seed addition with consideration of
weather patterns will be key in maintaining these remnant grasslands.
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Table 1. Mixed effects model table summarizing how species relative abundance was influenced by year (2007-2010), initial

patch type (native or exotic) or origin (native or exotic) and their interaction with year. Site was included as a random effect
in all models.

Year Type Year*Type
Response Variables F-value = P-value  F-value P-value F-value P-value
Among Patches
Exotic Dominants 32.384153 <0.001 51.291;53 <0.001 24.251:53 <0.001

Native Dominants*
Native Subdominants *
Exotic Subdominants 0.0001,53 0.99 21.575153 <0.001 4.328153 0.04

Year Origin Year*Origin
Within Native Patches
Dominants 0.068153 0.80 0.135153 0.71 100.29153 <0.001
Subdominants 1.970153 0.16 0.432 0.51 0.430 0.51
Within Exotic Patches
Dominants*
Subdominants 1.464153 0.23 6891153 <0.001 1.464153 0.23

* models were not run because the group was not present within some patch types. Significant results in
bold, numerator & denominator degrees of freedoms shown as subscripts.
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Figure 1. The relative influence of propagule pressure from neighboring invaded patches
and survival of native residual individuals on the competition-colonization tradeoff
following a disturbance. Scenario depicts invasion of a good colonizer (exotic annuals, in
black) into patches dominated prior to the disturbance by the good competitor (native
perennials, in gray). The expected competition-colonization tradeoff is shown in solid lines.
With high propagule pressure and/or low residual survival (dashed lines), the expected
tradeoff may not occur due to the strong propagule pressure of the colonizer and the
strong dispersal limitation of the competitor.
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Figure 2. Map of paired native (N) and exotic (E) patches within 8 grassland sites in Irvine,
CA. Inset ‘A’ shows the map of California with my study sites in the boxed area and ‘B’
shows the perimeter of the 2007 Santiago Wildfire and the rectangle within the perimeter
highlights the location of the grassland sites. Across the ridge, the fire removed all
aboveground vegetation (Inset ‘D’, photo credit: L. Larios).
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Figure 3. Relative abundance of species (means + SEM) before and after fire (indicated by
vertical dashed line; 2007 was a drought year) within initially native (a) and exotic (b)
patch types. Species are grouped by origin (native, nat; exotic, ex) and abundance
(dominant, dom; subdominant, sub). Within native patch types, dominance shifted from
native to exotic species, while exotic dominants quickly recovered within exotic patches.
Rare species are not shown. Specific species in each group are found in Appendix 2.
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Figure 4. a) Seed rain of native and exotic dominants along an 8m transect bisecting native
and exotic patches (n=5, for each point). While few native seeds made it to the interior of
exotic patches, seed rain for the exotic (ex dom, filled circles) and native dominants (nat
dom, open circles) was similar in the interior of the native patches. b) Seed rain of the
exotic and native dominants was a strong predictor of recruitment the following year (n=5,
for each point, lines represent significant relationships). For natives, because they are
perennial, only seedling stem counts are reported. This distinction was not necessary for
the exotics because they have an annual life history. Errors bars represent 1 SEM.
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Figure 5. a) Pairwise (Bray-Curtis) dissimilarity between paired native and exotic patches
(means + SEM) within the eight grasslands sites over time (fire indicated by vertical dashed
line). Pairwise dissimilarity was negatively related to the abundance of the exotic
dominants establishing in the native patches (b).
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Chapter 5

Changes in soil communities due to plant neighbors and soil resource
availability alter native, Stipa pulchra, and exotic, Avena fatua, plant-soil
feedbacks

Introduction

Increasingly the interactions between above and belowground communities are being
identified as key determinants of the abundance and composition of plant communities
(Wardle et al. 2004). While negative interactions are thought to be important in the
maintenance of plant diversity (Klironomos 2002, Mangan et al. 2010), positive
interactions can increase diversity in stressful environments (Bruno et al. 2003) and play
key roles in ecological dynamics such as succession (Reynolds et al. 2003, van der Heijden
2004, Kardol et al. 2006) and invasions (Callaway et al. 2004, Suding et al. 2013). Several
hypotheses attribute the success of exotics to their effects on the soil community by
impacting beneficial soil biota for natives (Vogelsang and Bever 2009), allelopathy
(Callaway et al. 2008), or accumulating pathogens that are detrimental to natives (Eppinga
et al. 2006). These impacts all result in the exotic having a greater fitness in soils
conditioned by itself compared to a native, and therefore a positive plant-soil feedback.
However, there is still not a clear understanding of when and to what extent these plant-
soil feedbacks may lead to recovery constraints or impede the efficacy of restoration efforts
(Eviner and Hawkes 2008).

While widespread evidence indicates that soil microbial communities can be highly
susceptible to changes in soil physical and chemical properties (Bissett et al. 2013), our
understanding of how these shifts in microbial composition affect plant-soil feedbacks is
limited. For example, increased soil nitrogen (N), via fertilization, atmospheric deposition
or other anthropogenic inputs, can alter microbial composition towards a more bacterial
dominated community and shift microbial-mediated ecosystem processes (Bardgett 1999,
Allison 2002, Bradley et al. 2006, Zeglin et al. 2007). Low soil N availability found along
natural gradients may have soil communities more dominated by fungal species (Bardgett
and Shine 1999). Conversely, low soil N availability due to sucrose or sawdust addition can
increase microbial activity, resulting in N immobilization (Blumenthal et al. 2003, Bleier
and Jackson 2007, Sandel and Corbin 2010). While soil microbial communities from high N
sites have been shown to differentially affect the growth of native and exotic species
(Siguenza et al. 2006), it remains uncertain how changes in the microbial community as a
result of changing soil resources may interact with any existing plant-soil feedbacks.

In addition to the physical and chemical properties of soil, host plant community
composition can also play a significant role in dictating soil community composition
(Bardgett and Cook 1998). Simply the presence of a neighbor, whether native or exotic, can
alter soil microbial community composition via changes to soil resource availability via
resource uptake or plant inputs (e.g., litter, exudates) into the soil (Bardgett 2002,
Hausmann and Hawkes 2009). Thus, disentangling the relative contribution of soil
resource availability and plant-plant interactions to changes in soil communities is key to
understanding how plant-soil interactions may influence plant performance (Brandt et al.
2009).
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Here I assess how plant-soil microbial feedbacks may change as soil microbial
communities change with soil N availability and how these dynamics may be further
altered by the presence of a neighboring plant species. I focus on California grassland,
which has experienced a large-scale shift from native perennial grasses mixed with annual
forbs to exotic annual grasses over the last century (Jackson 1985), as well as changes in
atmospheric N deposition (Fenn et al. 2003). In this system, annual exotic grasses such as
Avena fatua and Bromus diandrus foster species-specific soil microbial communities
(Hawkes et al. 2005, Hawkes et al. 2006) and can alter the community of arbuscular
mycorrhizal fungi (AMF) colonizing roots of native grasses such as Stipa pulchra
(Hausmann and Hawkes 2009, 2010). Vogelsang and Bever (2009) showed that these
impacts of exotic species on soil communities can reduce the growth of native species,
consistent with the expectation that exotics experience positive feedbacks within their
“home” soil AMF community.

While it has been well-documented that soil communities shift in the presence of
exotic annual grasses, the contribution of this shift to invasion patterns depends on how
the shift in soil communities occurs in the context of two other critical changes associated
with invasion: changed soil resources and changed competitive interactions. Thus, here I
assess the relative importance of changes in soil communities due to soil resources and
plant-plant interactions on plant-soil feedbacks. I conducted a greenhouse experiment
where I grew native Stipa pulchra Hitchc. and exotic Avena fatua L. in soils inoculated with
conspecifics (‘home’) and heterospecifics (‘away’) soil communities. Soil inocula were
collected from a restoration experiment (outlined in Chapter 5) where plots had been
treated with either a carbon or nitrogen addition to affect soil resource availability. To
examine the importance of plant-plant interactions, I grew plants individually or with a
neighbor. If positive plant-soil feedbacks contributed to invasion, then Avena would grow
better in its “home” soil than “away” soil communities; conversely if Stipa were to grow
better in its “home” soil compared to “away”, positive plant-soil feedbacks would prevent
invasion. Soil resource effects on soil communities would contribute to invasion if Avena
were to grow better with soil communities from high N sites. Plant-plant interactions
would contribute to invasion if the presence of a competitor weakened the benefit that
Stipa has when grown in its “home” soil communities.

Methods
Study species and soil

[ focused on two species common to southern California grasslands: the native
perennial Stipa pulchra Hitchc. and the exotic annual Avena fatua L. grasses (hereafter Stipa
and Avena, respectively; nomenclature follows Baldwin et al. 2012). Soils for the
experiment were collected from Loma Ridge in Irvine CA within the Irvine Ranch Land
Reserve (N:33.7501 W:-117.71787) - a grassland largely dominated by a mixture of exotic
annual grasses and native perennial grasses (Larios et al. In press). Background soil was
collected from this site and upon collection the soil was air-dried, sieved through a 2Zmm
sieve to remove rocks and debris and steam sterilized at 120°C. This soil was then mixed
1:1 with sterile coarse sand and used as the sterile background soil to fill 164 ml cone-
tainers for the greenhouse experiment described below.

To test how changes in soil communities due to soil resource availability may alter
plant performance, I collected soil inocula in March 2010 from a field experiment outlined
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in Chapter 6, where native and exotic plants had been grown in low, ambient and high soil
N. Within each of the five experimental blocks, I collected soil from both the native and
exotic plots. Within the native plots, soils were collected directly under a Stipa individual
and for the exotics, under a stand of Avena, ensuring roots were collected with each soil
sample. This soil was kept cool and shipped to the University of California Berkeley. Within
three weeks of collection, the soils from each block were bulked to form the soil inocula
used in the experiment. The inoculum was added to the cone-tainers at a ratio of 30 to 1,
sterile background soil (described above) to inoculum (Bever 1994).

Experimental Design

To test the importance of plant-soil interactions in the absence of plant-plant
interactions I planted three individual seeds of each species by themselves into conetainers
with soil inoculated with either conspecific or heterospecific soil communities from low N,
ambient, and high N sites. I additionally included a sterile soil treatment with no inoculum.
Therefore, I had a total of seven soil-community treatments: Stipa conditioned 1) low N, 2)
ambient N, 3) high N; Avena-conditioned 4) low N, 5) ambient N, 6) high N, and 7) sterile
soil. To test the importance of plant-plant interactions on plant-soil interactions, I also
planted species mixtures (consisting of one Stipa, one Avena) with the seven soil-
community treatments described above. After initial germination I removed individuals
from all conetainers so that each cone had a single individual for the no-competition Stipa
and Avena treatments and two individuals for the competitive mixtures). I transplanted
seedlings into the cones if no seeds germinated. The transplanted seedlings were planted at
the same time as the other seeds so that they were comparable in size upon transplant.
Thus I had a total of 420 conetainers (7 soil-community inocula x 3 species plantings x 10
blocks x 2 replicates within each block).

The plants were grown at the Oxford Tract Greenhouse at the University of
California, Berkeley and were watered regularly with distilled water, without supplemental
lighting or fertilizer. All above and belowground biomass was harvested 10 weeks after the
initial planting. Transplanted individuals were harvested 10 weeks after transplanting. The
biomass was sorted to species for the competition treatment, and all biomass was dried for
48 hrs at 60°C.

Statistical Analysis

To evaluate how plant growth varied across the experiment, I analyzed total
biomass (sum of above and belowground biomass) with a three-way ANOVA model,
specifying Block as a random factor, using the Proc Mixed module (SAS institute v 9.1).

[ calculated the effect of the soil inoculum pairwise between the sterile soil
treatment and the other soil inocula within each block with a response ratio: ‘In(Bi/B.)’,
where B was the total biomass of the plant in either an inoculated soil treatments (‘i’) or
sterile soil (‘c’). I assessed the directionality of the response ratio using t-tests, where a
value greater than 0 indicated a significant positive response and a value less than 0
indicated a significant negative response. To assess if the effect of simply adding soil
inocula changed with culturing species or soil resource site, I ran a mixed effects model
using the Proc Mixed module separately for each species with inoculum response ratio as
the response variable, soil community sources (plant species, soil resource site) as two
fixed factors, and Block as a random effect.
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To assess if soil communities from varying soil resources affect plant performance, I
calculated for each species a natural log response ratio (i.e. In(Bothern/Bambn)), separately
for the conspecific and heterospecific soil communities. I then analyzed this soil resource
response ratio in a mixed model with soil community sources, species and soil resource
site, as fixed effects and block as a random effect. A significant effect of soil resource for
Avena would indicate that the changes in soil communities due to soil resources do alter
performance, supporting my second hypothesis. A positive value would indicate the
individual grew better in the altered soil communities, while a negative value would
indicate it grew worse. A significant effect of the species soil inocula would indicate
whether the effect of the soil resources varied between conspecific and heterospecific soil
inocula.

Plant-soil feedback strength was calculated as ‘In(Bhome/Baway)’, where Bhome is the
total biomass of an individual when grown in their conspecific soil communities, and Baway
is the total biomass when grown in heterospecific soil communites. Plant-soil feedback
strength was calculated within each soil resource community and competition treatment
(i.e. Avena feedback for no-competition and low N would be the comparison of Avena
biomass when grown alone, between conspecific (home) and heterospecific (away)
cultured soils at low N sites). For blocks where individuals of a specific treatment died, I
averaged biomass across the other blocks for that species as a substitute. I did this five
times for Stipa when grown alone. For the competition treatments, [ replaced the biomass
of both the species nine times. However, | dropped any blocks that had lost replicates for
three or more soil inocula treatments, resulting in a loss of one block for the no competition
treatment and three for the competition treatments.

To assess how plant-soil feedback responses changed with competition or across
the soil communities cultured from different soil N availability, [ ran a mixed effects model
with plant-soil feedback as the response variable and soil N inocula sources, species
identity, and competition as fixed factors. Block was included as a random factor and any
significant interactions were evaluated with post-hoc Tukey pairwise difference tests. A
significant culturing species-target species interaction would indicate that plant-soil
feedbacks could facilitate invasion, if Avena experienced no feedbacks when grown in
“away” soil communities, but would indicate invasion resistance if Stipa experienced
positive feedbacks when grown in “home” soil communities. A significant competition-
species interaction would indicate that plant-soil feedbacks changed in the presence of a
competitor, where a negative shift in feedbacks for Stipa when grown in competition would
support my third hypothesis.

Results
Stipa pulchra response

Stipa total biomass varied as soil communities changed with culturing species and
resource availability, where biomass was greatest in the conspecific, low N soil community
and heterospecific high N soil community (culturing species x soil N interaction: Fz, 76=8.22,
P<0.001; Appendix 4). Competition decreased Stipa biomass by almost 90% (0.327g vs
0.036g, F1,76=595.9, P<0.0001), and Stipa biomass was slightly greater when grown alone
with conspecific soil communities compared to heterospecific, soil communities (0.386 vs
0.277g, respectively; Competition x culturing species interaction: F1,76=9.72, P<0.01, Figure
1 square symbols).
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Stipa grew better with sterile soil compared to heterospecific (Avena-cultured) soil
communities and grew similarly between sterile soils and conspecific soil communities
(Culturing species: F1,40=14.18 P<0.0001; soil N: F2,40=0.90 P=0.41; Figure 2a).

When grown alone, Stipa grew better with conspecific-cultured soil communities
compared to heterospecific (better in home versus away soils), resulting in positive
feedbacks when Stipa was grown alone (Figure 3a, dark gray bars). These positive
feedbacks diminished when Stipa was grown with Avena (Spp x Comp, F1, 76=7.45 P<0.01;
Figure 3a light gray bars) and with high N soil communities (soil N x Spp, F2,76=6.24 P<0.01,
low & amb N vs high N Tukey HSD P<0.01, P<0.05, respectively), resulting in the
development of a strong negative feedback when in competition with Avena and in high N
soil communities (Figure 3).

Soil resources altered soil communities such that Stipa grew better with soil
communities from either low or high N availability compared to ambient N when soils were
also cultured by the heterospecific, Avena (Culturing species: F1,24=4.25, P=0.05, Spp x Soil
N, F124=0.95, P=0.33; Figure 4). Conversely changing soil resources within conspecific
communities did not alter soil communities in a way that affected Stipa growth.

Avena fatua response

Avena exhibited little evidence of plant-soil feedbacks (Figure 3). The only exception
to this pattern was a negative feedback at low N, where it grew worse in “home” low N soil
communities (Soil N x Spp, low vs amb N: Tukey HSD, P<0.05). Interactions with Stipa did
not alter Avena growth (Fi, 76=0.01, P=0.91; Figure 1 circles) nor change plant-soil
feedbacks (Figure 3). Additionally Avena growth was greater in “away”, low N soil
communities than in sterile soil conditions (Figure 2b, Culturing species x soil N: F2,40=3.36,
P<0.05)

The soil resource environment of heterospecific soils did not alter the soil
community in a way that altered Avena biomass; however, altering soil resources by
increasing or reducing N in conspecifc plant communities resulted in soil communities
where Avena grew worse compared to those under ambient resources (Spp source,
F1,24=10.22, P<0.01, Spp x soil N, F124=1.45 P=0.23). Similar to Stipa’s response, Avena’s
response to soil communities from altered soil resources was similar between the low and
high N soil communities (soil N, F1,24=1.45, P=0.23).

Discussion

Linking compositional shifts in soil microbial communities due to either changes in
resource availability or host plant with plant-plant interactions is fundamental to
understanding when plant-soil feedbacks (PSFs) play an important role in the maintenance
of plant species diversity and in species invasions (Ehrenfeld et al. 2005, Bever et al. 2010,
Suding et al. 2013). Here I observed that both soil resources and host plant can alter soil
communities to create PSFs for both native Stipa pulchra, and exotic Avena fatua; however
the directionality of these PSFs varied for the native and exotic.

Contrary to theory that predicts negative plant soil feedbacks within native
communities (Reynolds et al. 2003), I observed that the native Stipa grew better with its
home soil communities compared to the exotic Avena soil communities, resulting in
positive feedbacks for Stipa. Additionally, Stipa grew worse with soil communities from
Avena-cultured soils compared to sterile soil, suggesting that Avena is able to culture a
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distinct soil community that negatively affects the native, Stipa. On the other hand, in
support for the hypothesis that exotic species experience either neutral or positive
feedbacks in their introduced range (Reinhart and Callaway 2006, Inderjit and van der
Putten 2010), I found that Avena grew similarly with soil conditioned by either conspecifics
(“Avena” conditioned) or heterospecifics (“Stipa” conditioned). Similarly, Suding et al
(2013) found this trend across pairwise feedback experiments of natives and exotics. While
this result is consistent with several hypotheses that indicate that exotic species are able to
alter soil communities to the detriment of natives (Eppinga et al. 2006, Callaway et al. 2008,
Vogelsang and Bever 2009), this study does not allow me to identify by which mechanism
this reduced growth occurs. Previously, Hausmann and Hawkes (2010) showed that a close
congener of Avena fatua, Avena barbata exhibited strong effects on the soil fungal
community, resulting in strong priority effects. These changes within the soil community
may result in soil legacies that weaken native establishment success within invaded or
previously invaded areas (Grman and Suding 2010).

As I hypothesized, soils conditioned under varying soil N resource availability
negatively affected Avena growth, however only when Avena was grown in soils
conditioned by itself. Unexpectedly, I found that the shifts in soil communities due to the
changing resources in Avena conditioned soils improved the performance of Stipa when
grown with these heterospecific soil inocula. Changing soil resource availability can shift the
composition of soil communities from one dominated by bacteria at high nitrogen
availability to one dominated by fungi at lower nitrogen availability. These compositional
changes may alter plant performance depending on the strength of specificity on behalf of
the microbes and host plant, where strong specificity for both microbes and plant host
would result in a decrease in performance with composition shifts (Aldrich-Wolfe 2007,
Lekberg et al. 2007). Within this experiment I found that the native, Stipa, did not respond
to potential community shifts due to resources when grown with soil cultured by
conspecifcs; however, I observed reduced growth by the exotic Avena when grown with its
conspecific (“home”) soil inocula cultured with different soil resources, supporting
previous findings that Stipa has a broad AMF niche while Avena has a more restricted niche
(Hausmann and Hawkes 2009). The beneficial affect that these compositional shifts in the
Avena conditioned soil communities had on Stipa has interesting applications for native
recovery management efforts. Soil N reduction activities are traditionally used to alter
competitive interactions in favor of the natives (Blumenthal et al. 2003); however these
results suggest that these soil N reductions may also minimize some of the negative effects
that an exotic like Avena may have on the soil community.

In addition to Stipa biomass, competition strongly affected Stipa’s plant soil
feedbacks, where the presence of Avena eliminated the positive effect that Stipa’s home soil
had on Stipa growth. While this result is consistent with findings of resource competition
between Avena and Stipa seedlings (Dyer and Rice 1997, 1999), this study does not allow
me to decipher whether this result is also due to the strong control that Avena species may
have on the soil community (Hausmann and Hawkes 2009). The strong effect of the Avena
competitor on Stipa performance suggests that restoration efforts should continue to focus
on ways to reduce the abundance of exotics in order to promote native species recovery.

In conclusion, I found that both plant host and soil resource availability effects on
soil communities may alter plant growth. However, these effects strongly differ for a native
and exotic and that competition disproportionately affected the native, Stipa. The native
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was more susceptible to host identity, where it grew less in Avena conditioned soils
compared to sterile soil and conspecific conditioned soils. On the other hand, the exotic,
Avena was more vulnerable to soil community shifts that resulted from changes in soil
resource availability. Disentangling how soil resource availability as well as plant host may
affect how soil communities affect plant performance is key to better understanding when
plant soil feedbacks play a role in the spread and dominance of exotic species as well as
plant community composition.
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Figure 1. Total (above and belowground) biomass for Stipa pulchra (squares) and Avena
fatua (circles) when grown alone (open symbols) or with a competitor (filled symbols)
with soil inocula cultured under ambient resources by conspecifcs and heterospecifics.
Competition decreased Stipa biomass, regardless in which soil community Stipa was
grown. Avena grew similarly in both conspecific (Stipa) and heterospecific (Avena) soils
regardless of the presence of a competitor. Mean + 1SE. Error bars for Stipa with
competitors are hidden by symbol.
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Figure 2. Effect of inoculating soil on plant performance for Stipa pulchra (a) and Avena
fatua (b). Stipa experienced negative effects (i.e. grew worse in the inoculated soil
treatments compared to sterile) when grown in heterospecific (Avena) soil inoculum. Soil
inocula affected Avena growth only when grown with inoculum from the heterospecific
(Stipa) grown under carbon addition (+C). Mean + 1SE. Significantly different from zero: +
P<0.07, * P<0.05, ** P<0.01
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Figure 3. Plant-soil feedbacks for Stipa pulchra (a) and Avena fatua (b) grown alone or with
a competitor, across soils cultured by conspecifics or heterospecifics that were grown
under varying resources. Stipa experienced positive feedbacks (i.e. grew better with its
home soil communities) when grown alone in low N and ambient N soil communities, but
these feedbacks became negative when grown in high N soil communities. Avena grew
worse in its conspecific soil compared to heterospecific low N soil communities came from
low N, resulting in a negative feedback. Means + 1SE. Significantly different from zero: *
P<0.05, ** P<0.01
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Figure 4. Effect of changes in soil community due to changes in soil nitrogen (N) resources
on Stipa pulchra (a) and Avena fatua (b) growth. Stipa grew better in soil communities from
ambient N availability compared to low or high N availability when these soils were also
cultured by heterospecific, Avena. Conversely, Avena grew better in soil communities from
ambient N availability when these soils were from cultured by conspecifics. Means + 1 SE.
Significantly different from zero: + P<0.07, * P<0.05
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Chapter 6

The effect of seed addition, soil amendments, and neighborhood on native
recovery after an extreme disturbance

Introduction

Invasion by exotic plant species has been shown to impact native diversity and function of
many native ecosystems (D'Antonio and Vitousek 1992, Vila et al. 2011). For instance, in
many grasslands, invasion of annual exotic grasses has altered fire frequency and nutrient
cycling, and reduced species diversity (Whisenant 1990, Bobbink 1991, Vinton and
Goergen 2006). While protection of the remaining native grasslands and the restoration of
invaded areas are widespread management goals (Sheley et al. 2010), these goals have
proven challenging, in part due to the changes in the disturbance regime and resource
availability (James et al. 2013).

Disturbances can add complexity to management efforts as they can often trigger
invasion by opening an “invasion window” when the native system is most vulnerable-
during post-disturbance recovery (Buckley et al. 2007). For native grassland species,
recovery often includes the need to recruit from seed, a stage sensitive to competitive
exclusion from exotic annuals (Yu and Wilson 2001, Larios et al. In press). Here, I ask
whether changes in competitive neighborhood and soil resource availability can increase
native recruitment following a disturbance, constraining the invasion window.

Removal of exotic species prior to seed set is a common management technique
aimed at reducing exotic propagules, and slowing the development of the litter thatch that
may impede establishment (Bartolome 1979, Meyer and Schiffman 1999, Weiss 1999).
While removal of exotic seed following a disturbance may slow the growth of the exotic
populations (Tognetti and Chaneton 2012), the question remains whether it also enhances
the recruitment of natives into these areas.

The invasion window could also be reduced by dampening pulses in soil nitrogen
(N) availability that can follow disturbances (Radford 2013). Because many exotic species
are thought to be able to capitalize on increases in N (Vitousek et al. 1997a, Brooks 2003),
amendments that reduce resource availability may be able to slow invasion and allow
native species that can better tolerate low resource levels a chance to establish (Alpert and
Maron 2000, Blumenthal et al. 2003). Carbon (C) additions in the form of sawdust or sugar
have been advocated as a technique to reduce plant available N and shift interactions in
favor of native recruitment (Blumenthal et al. 2003, Cleland et al. 2012). However, as
carbon amendments reduce N available to all plants, it may slow the growth of both exotic
and native species (Corbin and D'Antonio 2004a, Sandel and Corbin 2010, James et al.
2011a), again bringing to question whether it enhances the recruitment of natives. An
alternative approach could be to combine exotic removals with increased N, potentially
reducing the negative effects of exotic competitors but providing the natives with resources
to improve growth.

Here I investigate an invasion triggered by a large-scale disturbance (an intense fire
following a record drought), and whether changes in competitive neighborhood (exotic
species removal) and resource availability (soil amendment addition) can facilitate the
reestablishment of native species. I test the assumption that both changes should improve
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native recruitment. In addition, I investigate whether native recruitment might be
optimized at high, rather than low, levels of soil nitrogen if interactions with exotics are
reduced.

Methods
Study Site

This study was conducted at Loma Ridge in Irvine, California within the Irvine
Ranch Land Reserve (N:33.7501 W:-117.71787). It is characterized by a Mediterranean
climate with a growing season from November to June as determined by rainfall (e.g., the
2010 growing season was from November 2009 to June 2010). The average growing
season rainfall for the site was 330m from 1991-2010 with an average growing season
temperature over the same period of 20.9°C. Annual precipitation over the course of the
study (2009-2011) was 214, 175 and 449.3 mm, respectively (California Irrigation
Management Information Services, http://wwwcimis.water.ca.gov/cimis/welcome.jsp).
Loma Ridge consists of a string of grassland vegetation on the ridge top and on north and
west facing slopes, a steep erosional cliff on the southern edge, and coastal sage scrub
vegetation to the north on south facing slopes. The cliff and coastal sage scrub delimited
most of the grassland area, which while variable was less than 0.3km in width along the
ridge.

The study site burned in the 2007 arson-caused Santiago wildfire, which occurred
from Oct 21 -Nov 4, 2007. This fire, which occurred after one of the driest years on record
(Keeley et al. 2009), burned intensely and completely removed all aboveground vegetation
and litter from the study site. In total, it burned 28,517 acres, leaving no unburned intact
grassland communities within 5km (OCFA 2008).

Experimental Design

In June 2008, at the end of the first complete growing season after the fire, I
identified 5 blocks, each consisting of grassland patch dominated (>50% abundance) by a
native species, Stipa pulchra Hitchc, adjacent to a grassland patch dominated by the annual
exotic, Avena fatua L. (nomenclature follows Baldwin et al. 2012). Within each block, I set
up six 0.5 x 0.5 m plots, three within the native neighborhood patch and three within the
exotic patch type. In the native plots, [ removed all exotic grasses in May of the 2009 and
2010 growing seasons by clipping in the native plots; removal was aimed at reducing seed
input and litter build up for the subsequent year. To best describe the invasion that
occurred each year, we took response measures (see below) prior to conducting removals.
We did not remove native grass biomass in the exotic patch plots, as native grasses did not
naturally colonize these plots.

In each neighborhood type, I manipulated soil N availability: 1) decreased N via C
addition, 2) ambient N, 3) increased N via N additions. I increased N at a rate of 6 g
N/m?/yrl, which I applied in the form of calcium nitrate. I decreased soil N using table
sugar at a rate of 421 g C/m?/yrl. In similar sites, this level of carbon addition decreased N
by about 30% (Cleland et al. 2012). Soil amendments were applied three times over each
growing season, beginning in the 2009 growing season until the end of the 2011 growing
season. In total, the experiment consisted of 30 plots (5 replicate blocks x 2 patch types x 3
soil N).
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Each plot was subdivided into 4 quadrants, two of which were randomly assigned to
a seeding treatment: 1) native forb mix or 2) native Stipa perennial bunchgrass. The native
forb mix consisted of six species: Dichelostemma capitatum, Sisyrinchium bellum, Lupinus
bicolor, Lupinus succulentus, Calindrinia ciliata, and Amsinckia menziesii. 1 measured out a
standard weight for each native forb that was representative of adding 100 seeds. The
seeds were scattered over the assigned quadrant. For the native Stipa treatment we hand
planted 2 seeds at each intersection of 5x5 grid, which I had marked with a blue paperclip,
for a total of 50 seeds. All seeds were added by the first week of November 2009 for the
2010 growing season. Due to poor Stipa germination, I supplemented this seeding with five
seedling transplants that [ planted in mid-January. The transplanted seedlings were sown
in polystyrene flats starting December 2010, and were grown outdoors prior to planting in
the field.

For the annual native species I added, | measured establishment and estimated
fitness by counting the amount of seeds produced (May 2010) and calculating its
population growth rate (i.e., the number of seeds produced/the number of seeds added).
For the perennial species (Stipa), | surveyed first year (growing season) survivorship (May
2010), summer (dry season) survivorship (January 2011), and second year (final)
survivorship (May 2011).

To characterize the effects of my manipulations on aboveground biomass and
species composition during the 2010 growing season, I also harvested all biomass within a
10x15cm subsample in one of the no seed addition quadrants. All live biomass was sorted
into 5 functional groups: 1) exotic annual grasses, 2) native perennial grasses, 3) native
forbs, 4) exotic forbs, and 5) litter, and then dried to a constant weight at 60°C for 48hrs. |
additionally took soil samples (2, 15cm cores) within each plot, to assess gravimetric soil
moisture in March 2010.

To estimate how the competitive environment affected growth of the Stipa
seedlings, I sampled neighbor biomass around the surviving seedlings in May 2011. I
divided the quadrant into a grid with 5x5cm squares and harvested all the biomass within
three types of neighborhoods: 1) the 5x5cm square that contained the seedling (which I
term immediate neighborhood), 2) the 5x5cm squares adjacent to the square with the
seedling (inner neighborhood), and 3) the surrounding set of squares adjacent to those
sampled for 2 (outer neighborhood), for a total of a 25x25cm area sampled for each
seedling. I did not remove exotic biomass in 2011, as it was the last year of the experiment,
and so these measurements include exotic neighbors that colonized native patches during
that year.

Analyses

[ analyzed establishment (survival to the end of the first growing season) of the
native forbs and Stipa with the proc mixed procedure in SAS (version 9.1). I specified a
model with neighborhood (native with exotics removed, exotics) and soil amendment (C
addition, control, N addition) as fixed factors and block as a random factor. Due to the lack
of establishment of the forb species, we were only able to analyze data for Lupinus
succulentus. Population growth for Lupinus, and Stipa summer and second year
survivorship, were also analyzed using the model described above. First year Lupinus and
Stipa establishment were square root transformed to meet assumptions of normality, while
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second year Stipa survivorship was arc-sine transformed. I additionally corrected for
heterogeneous variances within the treatments, as needed.

[ assessed the effect of the competitive environment on second year biomass of the
perennial Stipa with an ANCOVA model. Stipa seedling biomass at the end of the second
year was the response variable, and neighborhood and soil amendments were included as
categorical variables, while the neighboring 2011 exotic annual grass biomass was
included as a continuous variable. Block was specified as a random effect, and I corrected
for the heterogeneous variances within the removal and soil amendment interaction term.
Stipa biomass was log transformed to meet assumptions of normality. I ran the above
model varying the exotic annual biomass at the three spatial scales to assess if the
competitive effects of the neighbors are scale dependent. Additionally, to tease apart
whether a Stipa response was due to changes in neighborhood biomass or composition, I
ran a mixed model with total biomass in the 25x25cm neighborhood and the relative
abundance of the exotic annual grass biomass within that area as continuous fixed factors
and block as a random factor.

Results

Aboveground biomass did not vary across neighborhood type (i.e. “native with
exotics removed” or “exotics”) and soil N treatments (neighborhood: F1,20=0.79, P=0.39;
soil N: F220=1.33, P=0.29; Figure 1a). As expected, exotic annual grasses dominated the
exotic annual neighborhood type (>60%, F120=8.28, P<0.01), and naturally-occurring
native grasses were present only in the native neighborhood type (Figure 1b). While I
removed exotic grasses in the native plots at the end of each season, new invasion each
year was substantial, with the native patches often containing over 50% exotic grass
(Figure 1b). As expected, removal of exotic species did reduce litter mass (F1,20=17.42,
P<0.001); particularly in the control (ambient N) plots (removal x soil N interaction:
F220=3.87, P<0.05). However my manipulation also decreased gravimetric soil moisture
within the native plots compared to the exotic (0.18 vs 0.25, respectively; neighborhood:
F1,17.4=38.4, P<0.001).

Carbon addition decreased exotic cover (soil N: F220=5.35, P<0.02). C addition
affected exotic cover most strongly in native patch types (neighborhood x soil N
interaction, F220=7.23, P<0.01; Figure 1b, solid bars), resulting in an increase in the relative
abundance of native grasses. Carbon addition plots also had greater soil moisture before
going into the summer months (neighborhood x soil N interaction: Fz178=4.16, P<0.05).
The addition of nitrogen did not affect exotic cover in either patch type.

Neighborhood type and soil amendments did not significantly affect the number of
Lupinus individuals able to establish; however, surprisingly, establishment tended to be
greater in the exotic neighborhood (neighborhood: F120=3.33, P=0.08; soil N: F220=0.11,
P=0.89, Figure 2a). The trend for establishment strengthened in terms of population
growth rate, where Lupinus populations grew faster in exotic, compared to native,
neighborhoods (7.49 vs 1.41, F120=7.55, P=0.01). This effect was particularly strong when C
was added to reduce N availability in the exotic-dominated patches (neighborhood x soil N
interaction, F220=3.83, P<0.05, Figure 1b).

Overall, Stipa survivorship was less than 10% over the two years. Similar to the
establishment of Lupinus, the number of Stipa individuals surviving to the end of the first
growing season was not significantly affected by neighborhood or soil N amendments
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(neighborhood: F120=0.01, P=0.93, soil N: F220=2.69, P<0.10). First-year survivorship in
exotic neighborhoods depended slightly on soil amendment, were C addition tended to
increase and N addition tended to decrease survivorship in exotic neighborhoods
(neighborhood x soil N interaction, F220=3.11, P=0.07, Figure 3a). Over the summer, exotic
annual neighbors enhanced Stipa survivorship compared to native neighborhoods with
exotics removed (0.49 vs 0.31, F119=4.80, P=0.04, Figure 3b), and this effect was
particularly strong when C was added (pairwise contrast for neighborhood x soil N
interaction: F119=6.86, P<0.02; Figure 2b). The positive effect of C addition in exotic, but
not native neighborhoods, persisted for Stipa survivorship over the entire two years
(neighborhood x soil N interaction: Fz20=3.55, P=0.05; Figure 3c).

In addition to increased survivorship, Stipa individuals were larger in the exotic
annual neighborhood (neighborhoood: F1,13=6.32, P=0.03; soil N:F2,13=0.20, P=0.82). Stipa
seedling biomass did not vary with the surrounding exotic annual grass biomass at any
scale (immediate: F167=1.27, P=0.26; inner: F1,67=0.97, P=0.33; outer: F167=1.27, P=0.26) or
total aboveground biomass (F1,665=0.24, P=0.63). Stipa seedlings were larger in plots with
little or no perennial grasses and high relative abundance of annual exotic grass (Cover:
estimate=0.037+0.016, F1,685=4.65, P<0.05).

Discussion

Land managers are pressed to deal with the increasing threat of exotic annual grass
invasions into perennially dominated systems, particularly in light of ecosystem N
enrichment and altered disturbance regimes (Vitousek et al. 1997a, Buckley et al. 2007).
Overall I found little evidence that altering the competitive neighborhood in addition to soil
amendments improved native recruitment. While removing the exotic annual biomass
within the native plots did reduce the litter layer, I found little evidence that removing the
exotic annual biomass helped the recruitment or fitness of native forbs or perennial grass
after an extreme disturbance. I found that soil amendments, specifically carbon addition,
improved the fitness of the annual native forb, Lupinus succulentus. Surprisingly, the exotic
annuals under carbon addition facilitated both the summer survivorship and final
recruitment of the native perennial grass Stipa pulchra (Figure 3b, c; respectively). Overall,
[ had very low recruitment across my experiment, suggesting that within this system
recruitment is constrained by factors other than species interactions or soil N resources.

Disturbances can reset recruitment dynamics and alter the relative importance of
seed and establishment limitation in species recruitment (Grubb 1977, Burke and Grime
1996, Turnbull et al. 2000). An intense large disturbance can greatly reduce the seedbank,
resulting in greater seed limitation (Leck et al. 1989). In this study I attempted to improve
recruitment by overcoming seed limitation with my seed addition. While it is possible that
for some of the smaller seeded species, I did not add sufficient seeds to overcome seed
limitation, recruitment functions of annual forbs within California can shift in the presence
of a competitive dominant, reducing the number of recruits even at similar seeding
densities (Aicher et al. 2011). However, the positive growth rates of Lupinus support
previous studies where seed addition has been shown to establish small persisting
populations of native forbs, even in the presence of high density of exotic grasses
(Seabloom et al. 2003a).

My small scale exotic annual grass removal within the native patches was aimed at
minimizing the barrier that litter layers can form for recruitment (Bartolome 1979) and
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reducing seed inputs of the exotics (Tognetti and Chaneton 2012). However this
manipulation also decreased gravimetric soil moisture within the native plots compared to
the exotic, likely compromising the summer survival and subsequent growth of Stipa
seedlings. As I observed here, soil nutrient reduction via sucrose can reduce the cover of
exotic annual grasses (Blumenthal et al. 2003, Cleland et al. 2012). However, it did not
minimize the competitive effect of the neighborhood on the growth of the Stipa seedlings,
as the total biomass in the native plot did not change, suggesting that it may have increased
competitive interactions with the resident natives within the plot. The usefulness of soil
amendments as a restoration tool is contingent on it also facilitating the establishment and
recovery of native species, and while I observed that Lupinus had a greater growth rate and
that overall recruitment after two years was greater for Stipa with carbon addition, the lack
of a strong overall trend suggests that other management techniques in tandem with seed
additions should be considered to improve recruitment.

These results reiterate the importance of assessing a species at multiple life stages
to assess effectively management efforts (James et al. 2011b, James 2012). The similar
establishment of the annual forb, Lupinus, across the experiment suggests that my
treatments did not address its specific recruitment constraints; however by additionally
measuring Lupinus’ fitness, I was able to detect that soil amendments can impact its
population’s seed production. For perennial plants within a Mediterranean climate,
surviving the summer drought is an additional critical recruitment filter. We observed that
Stipa summer survivorship and overall recruitment tended to be greater in the exotic
annual, carbon addition plots. We also observed that the exotic annual carbon plots tended
to have greater soil moisture before going into the summer months, which may have
allowed Stipa to remain active longer in the season, increasing its summer survivorship
(similar to what I observed in Chapter 2). An additional management action could be mid to
late season watering to help native perennial seedlings establish and survive the summer
drought as exotic annual grasses tend to deplete soil water earlier in the growing season
(Holmes and Rice 1996, Kulmatiski et al. 2006).

Even though these treatments were done on a small scale, they revealed that in
tandem carbon addition and removal of the exotic annual did not promote the
establishment of natives in areas that were once dominated by native species. Carbon
addition was able to promote the recruitment of some native species, but further
management efforts should incorporate other actions that can improve the establishment
of other species, such as pre-treating seeds or supplemental watering. Moreover, these
results emphasize the importance of applying management actions that take into account
multiple recruitment constraints and demographic processes for the successful recovery of
native species (Suding et al. 2004).
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Figure 1. Aboveground biomass (a) and community composition (b) within the no seed
addition plots across the neighborhood and soil N amendment treatments. Aboveground
productivity (LS means + 1SE) did not vary across the treatments. Exotic annual grass
cover only varied between the neighborhood treatments under +C. AG-exotic annual grass,
PG-native perennial grass, NF-native forbs, EF-exotic forbs.
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Figure 2. Establishment (a) and population growth (b) of Lupinus succulentus along soil
nitrogen (N) amendments and neighborhood type. Lupinus establishment did not differ
across the soil amendments or the neighborhood treatments. Population growth (b) was
greater in annual exotic plots compared to native plots where the exotics were removed
and lowest at high N, regardless of neighborhood. LS Means + 1 SE. Establishment is square
root back transformed.

67



g — a) Firsl Year Sundvanhg b} Swnmear Surdvonshg ) Final Suravorship
Halghborhooad Typs NS Malghboracd _EI}F.- P=0.04 Medghbamood Tépﬁ P=007
Ammedmeants K Ammedmernls M= Ammedmants
Typa & ammend NS Type % Ammsand NS Type & ammand P=005

o

S ol

Proportion survived

%EI - E
X I__i-i

+C Control + +C Control +M + Control +[
Soil Amendments Soil Amendments Soil Amendments

Figure 3. Survivorship of Stipa seedlings over the experiment. First year survivorship was
low regardless of the presence of exotic annuals or soil N amendment (a). The presence of
exotic annuals increased summer survivorship (b). Final survivorship after two growing
seasons was greatest in plots with C addition and the presence of exotic annuals (c). LS
Means + 1 SE. First year and final survivorship are square root back transformed.

Significant posthoc pair-wise differences at P<0.05 are indicated by *.
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Appendix 1. Summary of parameter estimates (+ 1 SE) for the allometric relationships
used to estimate Stipa pulchra seedling and adult aboveground biomass. Relationships
were fit within each resource treatment, if possible. Reported R? values are adjusted for
those models with multiple predictor variables.

Nitrogen Resource Treatment

Stipa life stage Predictor Variable Low N Ambient High N
Seedling Total No. Leaves 0.19 + 0.05 0.36 +0.11 0.12 +0.02
Height 0.122 +0.03 0.063 +0.02
Total Leaves x
Height -0.03 +0.01
Intercept -6.18 + 0.30 -6.27 + 0.85 -5.54 + 0.35
R? 0.80 0.72 0.86
Adult No. of Culms 0.62 + 0.08
Intercept 1.58 + 3.05
R? 0.76
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Appendix 2. List of species occurring within each vegetation type during the course of the
study. Dominant species were present 20% or greater abundance each year. A
subdominant was present with abundances between 1-20%. A rare species was present
with a maximum abundance of 1%. Family names in parenthesis; * indicates native

species.

Species Groupings

Pre-Fire Patch Type

Native Exotic
Dominant Stipa pulchra (Poaceae)* Avena fatua
Avena fatua (Poaceae) Bromus diandrus
Festuca perenne (Poaceae)
Subdominant Amsinckia menziesii Brassica nigra
(Boraginaceae)* Bromus madritensis
Brassica nigra (Brassicaceae) Erodium cicutarium
Bromus diandrus (Poaceae) Hordeum murinum
Bromus hordeaceus (Poaceae)
(Poaceae) Festuca perenne
Calystegia macrostegia Malva parviflora
(Convolvulaceae)* (Malvaceae)
Cryptantha clevelandii Medicago spp (Fabaceae)
(Boraginaceae)*
Dichelostemma capitatum
(Liliaceae)*
Erodium cicutarium (Geraniaceae)
Hemizonia fasciculata
(Asteraceae)*
Lupinus
microcarpus (Fabaceae)*
Lupinus succulentus (Fabaceae)*
Picris echioides (Asteraceae)
Stachys spp. (Lamiaceae)*
Sysrinchium bellum (Iridaceae)*
Rare Bromus carinatus (Poaceae)* Amsinckia menziesii*

Bromus madritensis (Poaceae)
Calindrinia ciliata (Polygonaceae)*
Calochortus catalinea (Liliaceae)*
Calochortus splendens (Liliaceae)*
Ericameria palmeria (Asteraceae)*
Lasthenia californica (Asteraceae)*
Sanicula spp. (Apiaceae)*

Dichelostemma capitatum*
Lupinus succulentus*
Cryptantha clevelandii*
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Appendix 3. Aboveground biomass and species richness (mean + 1SE) of native and exotic
patches over time (n=8, at each time point; disturbance indicated by vertical dashed line).

— a- i
o~ "
£ 10009 o Native !
=) ® Exotic |
@ 800- !
g i
: ' !
2 600- i
o] ! %
c |
S 4004 -
S 2
o I
S 200- I
[} ]
g i
< © |
0 T T T T
2007 2008 2009 2010
.| b. 5
!
6 !
)] |
1] '
2 59 ; %
£ i
D §
W |
0 (]
2 3 | E
8 t | $
»n 21 |
|
14 Q :
i
2007 2008 2009 2010

90



Appendix 4. Total biomass for Stipa pulchra (a) and Avena fatua (b) individual summarized
in above and belowground biomass across soil inocula and competition treatments. Means
+ 1SE.
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