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Abstract 

 

Plant Response to Land Use Change in Two Iconically Stressful Habitats: 

California’s Desert Solar Fields and Restored Coastal Salt Marshes 

 

Karen E. Tanner 

 

This work examines plant response to human alteration in deserts and coastal 

salt marshes, two systems in which abiotic stress is assumed to limit plants more 

strongly than biotic factors. 

In the desert, I used experimental panels to simulate the effect of solar energy 

infrastructure on two habitat types. I measured plant diversity and abundance, finding 

that panels interacted with rainfall and physical features of each habitat type to drive 

different outcomes. Under panels, diversity and abundance tended to be higher in one 

habitat type, but lower in the other. I also examined panel effects on the demography 

of a closely related rare-common species pair. Panel effects on individual 

demographic rates were rarely strong, but matrix models integrating these effects 

across the life cycle revealed a negative impact on the rare species, mediated by 

increased competition under panels. This result highlights the risk of using a common 

relative to predict impacts on a rare species. 

In the coastal salt marsh, I tested whether the Stress Gradient Hypothesis 

(SGH) can be applied to improve restoration outcomes. The SGH framework predicts 
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that interactions between plants should shift from competition to facilitation as stress 

increases. I found that soil conditions were more stressful (more negative water 

potential) at higher marsh elevations, so I expected clustered plantings to do better 

upslope. I planted two natives in loose and clustered patterns and tracked their 

performance across elevation for two years. Surprisingly, performance varied little 

across elevation during the first year, while clustering had a negative effect on 

growth. After two years both species showed clear but inverse patterns of cover 

across elevation – yet across the entire elevation gradient, clustering strongly 

inhibited cover in both species. 

My work demonstrates that even in “stressful” systems, abiotic stress is not 

always the dominant constraint on plants. To develop effective conservation and 

restoration strategies in these systems will require a deep understanding of how 

human disturbance interacts with the biotic and abiotic drivers that govern plant 

performance.   
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Introduction 

Stress is a ubiquitous driver of performance and structure in natural communities, 

but some ecosystems are regarded as inherently more stressful than others. We 

assume that abiotic factors exert strong control over plant performance in these 

exceptionally stressful systems, although we recognize that physical stress is affected 

by weather (e.g. variable rainfall) and can be mitigated by positive interactions 

between individuals or species (Stachowicz, 2001). When land use change occurs in 

stressful systems, it can be challenging to predict the consequences of the resulting 

disturbance, and to restore natural communities once it has occurred (Zedler et al., 

2003). 

My research takes place in two iconically stressful systems where human 

impacts are prevalent and important: central California’s coastal salt marsh and the 

Mojave Desert region. Drought stress is common in both systems, with excess salts 

making it difficult for salt marsh plants to regulate water, while desert species must 

frequently contend with low soil moisture and humidity. Coastal salt marshes have 

suffered extensive loss and degradation (Gedan et al., 2009), and there is burgeoning 

interest and investment in restoring these systems because they buffer sea level rise 

and sequester atmospheric carbon that otherwise fuels climate change (McLeod et al., 

2011; Li et al., 2018). Policies aimed at climate mitigation are having the opposite 

effect in the Mojave, where the goal of increasing renewable energy capacity is 

driving large-scale development and a decline in conservation value of affected lands 

(Parker et al., 2018). More work is needed to identify the key factors and processes 
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that govern plant communities in these systems in order to develop effective 

restoration and mitigation strategies. 

 In the Mojave Desert, I examined annual plant response to experimental 

panels that simulate solar energy infrastructure. Desert annuals provide an excellent 

system to test renewable energy development impact for several reasons: (1) they are 

highly sensitive to moisture, and panels affect moisture availability by diverting 

rainfall; (2) fast generation times allow impacts to manifest over relatively short 

periods; and (3) annuals comprise up to 50% of desert floras, providing critical 

resources for wildlife (Brown et al., 1979; Parker et al., 1989; Venable et al., 1993). 

In Chapter 1, I characterize abiotic conditions in the open and in panel shade and 

runoff microhabitats on two prominent habitat types in the Mojave Desert – caliche 

pan and gravelly bajada. I found that panels had consistent effects on the light 

environment and soil temperature regimes across habitat types, but the strength of 

panel effects on soil moisture were variable and depended on water-holding capacity. 

I examined community diversity and abundance and found shifting positive, negative, 

and neutral effects of panels in the open and in panel microhabitats over a seven-year 

period with highly variable rainfall. Panel shade tended to have a positive effect in 

dry years on caliche pan habitat, where soil chemistry, southern exposure, and/or high 

winds appeared to constitute stronger stressors than reduced moisture in shade. In 

contrast, soil moisture limitation appeared to be the primary constraint on plant 

communities on coarse gravelly bajada habitat, and plants did less well in shade 

where panels blocked rainfall. These results contrast with positive effects of panel 
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shade on plant diversity reported in single-year studies (Smith et al., 1987; Suuronen 

et al., 2017), and suggest that weather and site-specific factors are also important 

determinants of the ecological impact of land use change. Chapter 1 includes 

Appendix 1, where I present additional details on experimental design, communities 

present, microhabitat characterization, and supplementary findings. 

In Chapter 2, I used the same experimental panels to test for microhabitat 

effects on demographic transition rates in a pair of desert annual congeners – one 

common and one rare. I tracked aboveground life stage transitions in each 

microhabitat over seven years, and used experimental seed bank packets to 

characterize belowground life stage transitions over two years. Significant effects of 

panel shade on individual life stage transitions were relatively rare for both species, 

and tended to be neutral or positive for the rare plant, and negative to neutral for the 

common plant – likely mediated by physical differences across habitat types explored 

in Chapter 1. I used aboveground and belowground transition rates to parameterize 

matrix models of population growth, comparing performance of each species across 

experimental microhabitats. Comparing the two species provided an opportunity to 

test whether a “surrogate species” (Caro et al., 2005) can predict the response of a 

rare relative to disturbance – a strategy sometimes employed when data on rare taxa 

are lacking. Although panel microhabitats rarely had significant effects on individual 

transition rates, integrating these rates into demographic models revealed a negative 

effect of panels on rare species population growth in a high rainfall year. This is 

important because high rainfall years are considered critical for seed bank 
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replenishment, and suppressing population growth in these years could have large 

long-term effects. In contrast, panel shade did not affect modeled population growth 

under high rainfall in the common species.  This finding highlights the risk involved 

in using common relatives to predict rare species response to disturbance. Chapter 2 

includes three appendices: Appendix 1 presents additional details on experimental 

design, rate estimation, parameterization of models, and supplementary findings; 

Appendix 2.2 presents detailed methods and results from seed bank packet 

experiments used to characterize belowground life stage transitions; and Appendix 

2.3 presents methods and findings from seed plating experiments exploring the effect 

of soil fungi on belowground transition rates. 

Abiotic factors are also assumed to exert strong control in salt marsh systems, 

where the Stress Gradient Hypothesis (SGH) predicts a shift in plant interactions from 

competition to facilitation under physically stressful conditions (Bertness and 

Callaway, 1994). Physical stress can be high at bare-earth restoration sites, and there 

is a call to incorporate clustered plantings into project design to offset this stress 

(Padilla and Pugnaire, 2006; Silliman et al., 2015). Chapter 3 is intended to fill key 

knowledge gaps that will indicate whether clustered plantings should lead to better 

restoration outcomes in the high marsh. First, the generality of the SGH has been 

challenged in systems with multiple gradients, such as those that develop over 

Mediterranean summer in central California salt marsh. Second, most studies 

applying the SGH have focused on interspecific interactions, but natural history 

observations in California suggest that intraspecific interactions may be important 
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determinants of species distribution (and persistence) in the high marsh. Some 

mechanisms of facilitation should apply to conspecific as well as heterospecific 

neighbors – for example, reductions in soil temperature and evaporation rate resulting 

from canopy shade. Lastly, the use of clustered plantings in restoration projects has 

been limited thus far, and the demonstrated benefits generally resulted from 

alleviation of anoxia or wave stress (Bos and Katwijk, 2007; Silliman et al., 2015) – 

neither of which are major problems at high marsh elevations. I test whether physical 

stress is a critical driver of plant performance in the high marsh, and whether 

clustered plantings alleviate this stress and lead to improved transplant success. I 

planted two important native perennial species in tight or loose neighbor treatments 

across an elevation gradient in a restored tidal marsh, measuring survival, tissue water 

potential, cover, and resistance to herbivory. I also applied a seawater addition 

treatment to ameliorate moisture stress, testing whether the SGH correctly predicts 

shifts in plant interaction patterns when abiotic conditions are altered. I found a strong 

decline in soil water potential measurements with increasing elevation, suggesting 

that plants should be more drought-stressed upslope. However, plant tissue water 

potential (a proxy for drought stress) did not respond to this soil gradient, and cover 

did not decline upslope as expected. I found that neighbors in the tight planting 

strongly suppressed growth, and this pattern did not shift across the abiotic gradient 

or change with seawater addition treatment. Survival remained very high, suggesting 

that despite the strong soil gradient that developed over Mediterranean summer, 

conditions were not stressful for plants. Tight neighbors did, however, buffer cover 
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losses during seasonal periods of strong rabbit herbivory. These results suggest that 

clustered plantings will not always lead to improved outcomes, even in classically 

“stressful” habitat. Chapter 3 also includes Appendix 3, where I present additional 

details on experimental design and supplementary findings. 

This body of work shows that abiotic control is not always paramount, even in 

classically “stressful” habitat altered by land use change. In favorable weather years 

or microhabitats where physical controls are relaxed, competition becomes a 

dominant driver of plant performance and community structure.  
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Chapter 1 

Simulated solar panels create altered microhabitats in desert landforms 

 

Abstract 

 

Solar energy development is a significant driver of land-use change 

worldwide, and desert ecosystems are particularly well suited to energy production 

because of their high insolation rates. Deserts are also characterized by uncertain 

rainfall, high species endemism, and distinct landforms that vary in geophysical 

properties. Weather and physical features that differ across landforms interact with 

shade and water runoff regimes imposed by solar panels, creating novel microhabitats 

that influence biotic communities. Endemic species may be particularly affected 

because they often have limited distributions, narrow climatic envelopes, or 

specialized life histories. 

We used experimental panels to simulate the effects of solar development on 

microhabitats and annual plant communities present on gravelly bajada and caliche 

pan habitat, two common habitat types in California’s Mojave Desert. We evaluated 

soils and microclimatic conditions and measured community response under panels 

and in the open for seven years (2012 – 2018). We found that differences in site 

characteristics and weather affected the ecological impact of panels on the annual 

plant community. Panel shade tended to increase species richness on the more 

stressful caliche pan habitat, and this effect was strongest in dry years. Shade effects 
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on diversity and abundance also tended to be positive or neutral on caliche pan 

habitat. On gravelly bajada habitat, panel shade did not significantly affect richness or 

diversity and tended to decrease plant abundance. Panel runoff rarely affected 

richness or diversity on either habitat type, but effects on abundance tended to be 

negative – suggesting that panel rain shadows were more important than runoff from 

low-volume rain events. These results demonstrate that the ecological consequences 

of solar development can vary over space and time, and suggest that a nuanced 

approach will be needed to predict impacts across desert landforms differing in 

physical characteristics. 

 

Introduction 

 

Renewable energy development is accelerating globally to meet the rising 

demand for sustainable energy, and solar will outpace all other alternative energy 

sources by 2050 (EIA, 2019). While clearly providing environmental benefits through 

reduced carbon emissions, renewable power generation can also incur steep 

ecological costs (Harte and Jassby, 1978; Abbasi and Abbasi, 2000; Stoms et al., 

2013; Hernandez et al., 2014). Large-scale, ground-mounted projects require land 

conversion to accommodate solar arrays, roads, and transmission corridors – features 

that change surface runoff patterns, affect habitat connectivity, and facilitate the 

movement of exotic species (Gelbard and Belnap, 2003; Abella, 2010; Lovich and 

Ennen, 2011). Solar development impacts on regional land-use and vegetation cover 
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have been quantified on at least three continents to date (Fluri, 2009; De Marco et al., 

2014; Hernandez, Hoffacker, Murphy-Mariscal, et al., 2015; Parker et al., 2018). In 

some cases, innovative facility designs incorporate agriculture or grazing underneath 

panels to promote co-benefits (Hoffacker et al., 2017; Hernandez et al., 2019), or 

retain native vegetation to reduce impacts on local communities (e.g., ISEGS in 

Ivanpah Valley, California). 

Development pressure is particularly strong in deserts because the harsh 

conditions that have historically limited economic productivity in these systems make 

them ideal for solar energy. Insolation rates are high, land is inexpensive, and human 

density is low, reducing barriers to energy development. Approximately 157,000 

hectares of public land have been made available for development in California’s 

Mojave Desert, with another 162,000 hectares potentially available in the future 

(California Energy Commission et al., 2016; California S. B. 100, 2018). Deserts are 

also iconic landscapes with unusual and striking landforms such as bajadas, dunes, 

playas, desert pavements, and volcanic fields. Rainfall regimes interact with landform 

soil, aspect, and elevation to create habitats where growing conditions are variable but 

often difficult, driving evolution of desert-adapted life history strategies and high 

species endemism (Mulroy and Rundel, 1977; Hernández et al., 2001). During this 

period of rapid energy transition, the need to anticipate and minimize negative effects 

of energy development on natural assets and sensitive species is recognized. 

Ecosystems inside energy facilities are a matrix of microhabitats affected by 

solar infrastructure. Soils and organisms below panel and mirror arrays are subjected 
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to variable light gradients that shift with the movement of the sun, potentially altering 

carbon cycling, soil water retention, erosion, and ecosystem energy balances 

(Armstrong et al., 2014; Hernandez et al., 2014). Arrays also intercept and divert 

rainfall to their downslope edge, creating a gradient in soil moisture moving from the 

open to the panel edge and into the shade underneath. Shifts in rainfall have greater 

ecological impact than shifts in temperature (Thorne et al., 2015), and meta-analysis 

of experiments manipulating precipitation has shown stronger response to water 

addition than removal (Wu et al., 2011). Shade and moisture gradients imposed by 

panels are likely to interact with natural gradients that are features of underlying 

landforms, such as soil texture or microtopography. To date, there has been little 

empirical research to quantify the microhabitat impacts of solar arrays (but see Smith 

et al. 1987, Armstrong et al. 2016, Suuronen et al. 2017), and no studies comparing 

panel effects on ecological processes and communities across habitat types.  

Experimental arrays have been widely used to test the effects of habitat 

modification on species and ecosystems under controlled conditions. For example, 

free-air CO2 enrichment (FACE) arrays have been used to examine effects of elevated 

CO2 (Ainsworth and Long, 2005; Smith et al., 2014), warming arrays test effects of 

temperature change (Panetta et al., 2018), and “rainout” shelters simulate reduced 

rainfall on microhabitats and communities (Tielbörger et al., 2014). We used arrays 

of experimental panels in the Mojave Desert to explore how photovoltaic arrays alter 

biophysical conditions on two different landforms and examine whether resulting 

novel microhabitats differ in effects on annual plant communities present. We focus 
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on annuals because these communities are key components of desert ecosystems, 

providing resources for wildlife and spectacular superblooms with high aesthetic 

value (Brown et al., 1979; Venable et al., 1993; Chávez et al., 2019). Long-lived 

seeds of annuals may also persist within or disperse into developed sites, and annuals 

provide a tractable experimental system for assessing solar impacts because of their 

short generation times. Desert annuals are also well recognized for their sensitivity to 

moisture thresholds (Tevis 1958, Beatley 1974), providing an ideal system for testing 

the effects of increased or reduced rainfall. 

Experimental arrays were established on two landforms commonly targeted 

for solar energy development. The gravelly bajada array was situated on coarse soil in 

relatively dense creosote scrub, and the caliche pan array was installed at an exposed 

location with fine soils high in sodium and boron. Each landform supported a largely 

distinct annual plant community, including two rare endemic species at the caliche 

pan site. Our study addressed the following questions: (1) Do solar panels generate 

differences in microhabitat conditions that are biologically relevant to annual plants? 

(2) Do the microhabitats imposed by solar panels differ across two sites with different 

physical characteristics? (3) Do conditions imposed by solar panels drive change in 

annual plant communities, and are these changes consistent across two desert 

landforms with different soil types? 

 

Methods 
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Study sites 

We installed arrays in the western Mojave Desert, where ~60 km2 of land has 

already been converted to solar energy use (Parker et al., 2018). Gaining access to 

operational energy facilities is difficult, and differences in technology and sub-

technology employed across sites (e.g., solar concentrating power versus photovoltaic 

panels, or fixed-tilt vs. dual-axis) may contribute to variability in infrastructure 

effects. Many existing facilities are also installed on graded sites, although there is a 

trend toward designs meant to preserve and support native vegetation onsite. Our 

decision to use experimental panels resolved site access difficulties, imposed identical 

treatments across sites, and afforded the opportunity to track panel microhabitat 

effects on undisturbed plant communities. We chose site locations with low elevation, 

topography, and slope, consistent with siting practices for ground-mounted 

photovoltaic installations (Hernandez, Hoffacker and Field, 2015). Selected sites had 

< 20% cover by creosote scrub and flourishing annual plant communities in good 

rainfall years (annual communities persist belowground as dormant seeds when 

conditions are unfavorable). We focused on species-rich winter annual communities, 

defining October – March as the relevant rainfall period for these plants (Beatley 

1974), and using hydrologic year naming conventions (e.g., the period October 2012 

– March 2013 is the 2013 hydrologic year). Community composition was dissimilar 

across sites – out of sixty-three total plant species observed across landforms, only 

five natives and two exotics occurred at both locations (Appendix 1: Table S1). No 

species of special concern were found on gravelly bajada habitat, but the caliche pan 



 13 

habitat supported two rare, narrowly distributed endemics. Physical characteristics 

(e.g., soil texture, water-holding capacity) with the potential to influence plant 

performance also differed across sites as described below. 

Caliche pan site. – The caliche pan array was installed ~18 km outside Boron, 

California, USA (Figure 1). Habitat loss to renewable energy development is a 

concern for two rare plants present at this site (Chorizanthe spinosa and Eriophyllum 

mohavense, California Native Plant Society Rare Plant Program, 2020), which is less 

than 10 km from multiple solar plants (Solar Energy Generating Facility (SEGS) III-

VII, Mojave Solar, and SEGS VIII-IX). Experimental panels were installed on low, 

south-facing knolls of alluvium exposed through weathering. These sparsely 

vegetated edaphic islands have a hardpan calcium carbonate layer (“caliche”) near the 

surface that appears to exclude perennial species (ERT, 1988, McAuliffe 1994). Soil 

samples collected to a depth of 10 cm in shrub interspaces were classified as sandy 

clay loam, with pH = 7.7, high sodium and boron content, and estimated water 

holding capacity of 30% (A & L Western Agricultural Laboratories, Modesto, 

California, USA; see Appendix 1: Table S2 for more details and laboratory 

protocols).  

Rainfall 2012 – 2018 was often low at the caliche pan site, remaining below 

the historic 25th percentile in five of seven years (Figure 2a; see Appendix 1: 

Weather for more details). Rainfall reached the historic 59th percentile during 2017 

(96.3 mm) but remained far below the maximum recorded (332.5 mm). Monthly 

mean peak wind speeds ranged between 31.5 – 47.3 km/hour, increasing from 
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January to March, the primary period for aboveground growth and maturation of 

winter annuals. Between January and March the number of days with wind over 35 

km/hour more than doubled at this site, and the number of days with wind > 65 

km/hour increased by 162% (Appendix 1: Table S3).   

Gravelly bajada site. –The gravelly bajada array was established on the flank 

of the Newberry Mountains east of Barstow, California, USA, on a gentle east-facing 

slope in the Nebona-Mirage-Joshua-Cajon soil unit (USDA Soil Survey Staff 2019). 

Shrub cover was relatively dense (see Appendix 1: Figure S1 for more details), and 

experimental panels were installed in open areas between shrubs. Longboat Solar and 

Solar One/Solar Two (now decommissioned) are < 26 km to the northwest and 

northeast, respectively. Soil samples collected to a depth of 10 cm in shrub 

interspaces were classified as loamy sand with pH = 7.9, and had less than one-third 

of the water holding capacity of caliche pan soil. Cation exchange capacity was also 

50% lower here, and sodium and boron were present at 1% and 10% of the 

concentrations observed on caliche soil, respectively (Appendix 1: Table S2). 

Although total rainfall 2012 – 2018 was similar across sites (Figure 2), rainfall 

at the gravelly bajada site was below the historic 25th percentile in only three years, 

and 2017 rainfall was in the 89th percentile. Mean monthly wind speeds were slower 

and less variable at this site, and winds > 35 km/hour were much less common 

(Appendix 1: Table S3). 

 

Experimental panels 
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Plot selection. – The distribution of annual species is patchy at small spatial 

scales, so we used the presence of a plentiful native species at each site (Eriophyllum 

mohavense on caliche pan habitat, and Eriophyllum wallacei on gravelly bajada 

habitat) to choose plot locations non-randomly. Because these two taxa tended to co-

occur with many other annuals representative of shrub interspace communities, this 

approach increased the likelihood of strong annual community seed banks in our 

plots. We chose plots (n = 52 total) with similar substrate and slope on each landform 

in spring 2011, randomly assigning plots to abiotic monitoring efforts (n = 12) or 

plant community monitoring efforts (n = 40). Within each monitoring group, plots 

were assigned to control or panel treatments randomly (see Appendix 1: Plot 

sampling schemes for more details). In summer 2016 we installed additional panels (n 

= 4 per site) to facilitate soil moisture sampling in 2017 (disturbance from 2013 

collections precluded re-use of existing plots). 

Panel construction and installation. – We built experimental panels 

measuring 0.37 m2, using rebar frames to mount them at a 30º angle ~0.2 m off the 

ground. In summer of 2016 we covered panels with clear plastic sheeting (4 mm 

Coroplast, Corrugated Plastics.net, Hillsborough, New Jersey, USA) to improve 

rainfall runoff. We spaced plots to minimize shadowing from nearby shrubs and 

installed panels to face south, creating “Shade” and “Runoff” microhabitats (Figure 

1a). Panels block sunlight in the Shade microhabitat and shed water along their 

southern edge into the Runoff microhabitat. Experimental panels are relatively small 

compared to full-scale panels, which may affect the strength of observed panel 
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effects. Large commercial panels (often ~1.9 m2) divert more rainfall to their 

downslope edge, potentially driving stronger increases in moisture availability and 

benefitting species able to rapidly utilize this resource. Light gradients are also 

stronger where panels are arranged in contiguous arrays, and plants near the center of 

arrays are more likely to experience light limitation. Small-scale experimental panels 

therefore provide conservative estimates of the shade and moisture concentration 

effects from full-size panels – especially where panels are arranged in continuous 

arrays. 

 

Abiotic metrics 

Soil moisture. – Gravimetric soil moisture was measured across sites and 

microhabitats using 10-cm soil cores collected the day after storms in March 2013 (n 

= 18 cores from the caliche pan array, and n = 15 cores from the gravelly bajada 

array) and February 2017 (n = 12 cores per array). 

Soil temperature. – We used Thermochron iButtons (model DS1921G, Maxim 

Integrated, San Jose, California, USA) to sample soil temperatures in open and 

shaded microhabitats at four plots per site in 2018 (n = 2 units per plot, 1 per 

microhabitat; see Appendix 1: Soil temperature for more details). Differences in 

maximum temperature between microhabitats should affect evapotranspiration and 

plant desiccation rates, so we identified and extracted sampling times corresponding 

to maximum temperature difference in each month for analysis.  
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Light environment. – We used a light ceptometer (AccuPAR LP-80, Meter 

Group, Inc. Pullman, Washington, USA) to quantify photosynthetically active 

radiation (PAR) under panels, reasoning that a reduced light environment may alter 

plant physiological processes in ways that affect community composition or diversity. 

On a clear day in June 2011, we measured equivalent PAR reductions underneath an 

experimental panel and a mockup of a full-size panel at solar noon (readings were 

~12% of PAR measured in full sun; see Appendix 1: Light environment for more 

details). In three additional years, we took measurements across the light gradient 

under experimental panels at each site (n = 270 per site), sampling at mid-morning, 

solar noon, and mid-afternoon on dates near the spring equinox.  

 

Plant community 

During late March or early April 2012 – 2018, we counted the number of 

species present in each plot and the total number of individuals per species; plant 

abundance data were not collected in 2014 due to logistical constraints. We restrict 

community comparisons to microhabitats of the same size and present community 

metrics on the basis of actual area surveyed in each microhabitat to avoid artifacts 

driven by the species-area curve (see Appendix 1: Figure S2a for more details and 

justification of these decisions). 

 

Data analyses 
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Arrays were installed on two habitat types with divergent soil characteristics 

and annual communities sharing only seven species in common. The extreme 

logistical challenges associated with performing experiments at these sites precluded 

doing more than one site for each habitat; therefore, caution is required in 

generalizing beyond the comparison between these specific locations. To test the 

hypothesis that differences in soil characteristics influence panel effects we chose to 

treat Site (caliche pan vs. gravelly bajada) as a fixed effect in analyses of (1) 

microhabitat characteristics (soil moisture, soil temperature), and (2) composition of 

shared communities (seven species total). Results are interpreted appropriately given 

this caveat. In analyses of richness, diversity, and abundance of the unique 

assemblages present on each habitat type, we focused on panel microhabitat effects, 

which were well replicated within Site (caliche pan or gravelly bajada). 

Abiotic metrics. – Soil core moisture data were evaluated with linear mixed 

models using the packages lme4 and car (Bates et al., 2015, Fox and Weisberg, 2011) 

in R version 3.6.3 (R Core Team, 2020). Year, Microhabitat, Site (caliche pan vs. 

gravelly bajada), and the Year*Microhabitat*Site interaction were included as fixed 

effects, with Plot as a random blocking factor nested inside Site (see Appendix 1: 

Figure S2b for more details and justification of this approach). Model diagnostic plots 

suggested normality in error structure and showed no evidence of heteroscedasticity. 

We carried out post-hoc tests on estimated marginal means across microhabitats 

within each site and year using the emmeans package (Lenth, 2019). We used a non-

parametric Kruskal-Wallis test to examine microhabitat effects on soil temperature 
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because data across microhabitats were strongly bimodal. Welch’s two-sample t-tests 

were used to compare PAR in shade to measurements taken in full sun (Control 

conditions); data across years were combined by sampling time (mid-morning, solar 

noon, mid-afternoon) for each site. All significant differences are reported at the P ≤ 

0.05 level. 

Plant community. – In all years where data were available, we calculated 

species richness and abundance on the basis of surveyed microhabitat area: 0.372 m2 

for Shade and Control microhabitats, and 0.096 m2 for Runoff and Runoff Control 

microhabitats (see Appendix 1: Plot sampling schemes for further details). We used 

the vegan package (Oksanen et al., 2018) to calculate the Shannon diversity index on 

the same basis. To test for an interaction between Microhabitat and Site (soil type) 

affecting community composition, we isolated abundance data for the seven taxa 

occurring on both the caliche pan and gravelly bajada habitat (five native and two 

exotic species, Appendix 1: Table S1). We used vegan to build Bray-Curtis 

dissimilarity matrices, incorporating as many years of data as possible; data sets 

containing a preponderance of zeroes were discarded where they inhibited analysis 

(the final analysis for Control vs. Shade included 2015, 2017, and 2018 data sets; the 

Runoff Control vs. Runoff analysis included 2015 and 2017 only). We used vegan to 

conduct permutational analysis of variance (PERMANOVA) on raw and standardized 

data, including Year, Site, Microhabitat, and their three-way interaction as predictors. 

Standardized abundance data were generated by dividing cells in each species column 

by the total number of individuals observed for that species across years (column 
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total). This procedure allowed us to consider whether site or microhabitat effects 

operate primarily at the level of the entire community, or have different relative 

effects across species. Results using raw and standardized data were qualitatively 

similar, so we present results using raw data here. Where PERMANOVAs revealed a 

significant Site*Microhabitat interaction, we used similarity percentage analysis 

(SIMPER) to identify the species contributing most to community dissimilarity across 

microhabitats and sites. 

To test for microhabitat effects on species richness, Shannon diversity, and 

plant abundance within each site, we built GLMs using the most appropriate family 

distribution and link function for each response variable. We used poisson GLMs 

with log link functions to test for microhabitat effects on species richness, and 

gaussian GLMs with the identity link function to test for effects on Shannon diversity. 

To test for microhabitat effects on native and exotic abundance, we used the glm.nb 

family function from the MASS package (Venables and Ripley, 2002) to specify 

negative binomial GLMs suitable for overdispersed count data (Warton et al., 2016). 

However, model diagnostics suggested that overdispersion was not entirely 

eliminated in analyses of abundance data at the gravelly bajada site. Full models for 

response variables at each site included Year, Microhabitat, and their interaction. We 

restricted statistical comparisons to microhabitats of the same dimensions (i.e., 

Control vs. Shade, and Runoff Control vs. Runoff) for all analyses to avoid artifacts 

driven by the species-area curve (surveying in a larger area generally increases 

species richness and abundance). We used the car package (Fox and Weisberg, 2011) 
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to extract model P-values and the emmeans package (Lenth, 2019) to conduct post-

hoc comparisons on estimated marginal means for all response variables. 

 

Results 

 

Abiotic effects of panels 

Soil moisture. – The three-way interaction Year*Site*Microhabitat had a 

significant effect on soil moisture (df = 2, F = 5.44, P = 0.004; Appendix 1: Table 

S4a). On caliche pan habitat in 2013, soil moisture was higher in the Control and 

Runoff microhabitats compared to Shade (Figure 3a, Appendix 1: Table S4b). In 

2017, soil moisture remained higher in Control than Shade on caliche pan habitat, but 

there was no difference between the Control and Runoff microhabitats. Soil moisture 

was exceedingly low on gravelly bajada habitat due to very low water holding 

capacity of soils at this site (Appendix 1: Table S2). As a result, there were no 

significant moisture differences across microhabitats, even though this site received 

more rainfall from storms in both 2013 and 2017 (Figure 3b, Appendix 1: Table S4b).  

Soil temperature. – Average soil temperature differences between 

microhabitats were strong and showed similar patterns across the caliche pan and 

gravelly bajada habitat (Figure 4). Average temperatures were ~7.4º C lower in the 

Shade near solar noon in fall and spring at the caliche pan site (Kruskal-Wallis X2 = 

98.18, df = 1, P-value < 0.001). At the gravelly bajada site, Shade temperatures were 
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~11º C lower near solar noon in fall and spring (Kruskal-Wallis X2 = 217.32, df = 1, 

P-value < 0.001).  

Light environment. – Photosynthetically active radiation was significantly 

lower in Shade compared to the Control (morning sampling period, Welch’s T = -

57.97, df  = 59, P-value < 0.001; solar noon sampling period, Welch’s T = -148.31, df 

= 59, P-value < 0.001; afternoon sampling period, Welch’s T = -76.82, df = 59, P-

value < 0.001). Measurements near solar noon were on average ~184 μmol m-2s-1 in 

experimental shade compared to ~1,576 μmol m-2s-1 in full sun. This observed ~88% 

reduction in PAR (Figure 5c) was similar to measurements taken under a full-size 

mock solar panel at solar noon (Appendix 1: Table S6). Measurements under 

experimental panels varied over time with the sun’s movement, and were highest 

along the eastern edge of the shade footprint in morning, and along the western edge 

in the afternoon (Figure 5b, d). Morning and afternoon light were also elevated in the 

north compared to the center and south subplots, where there was less clearance 

between the panel and the ground. Near solar noon, more light leaked under the 

southern edge of panels on gravelly bajada habitat as a consequence of east-facing 

aspect (Figure 5c).  

 

Biotic effects of panel across sites 

PERMANOVAs showed strong dissimilarity between communities in Shade 

and Control microhabitats, with significant Year*Site, Year*Microhabitat, and 

Site*Microhabitat interactions (Table 1a). SIMPER analysis revealed that four 
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species accounted for 93% of observed dissimilarity (Table 2), and abundance plots 

revealed differences in the site effect versus the interaction between site and 

microhabitat as a driver of abundance. Chaenactis stevioides abundance differed 

strongly between sites, but not across microhabitats within site (Figure 6a). Erodium 

cicutarium and Gilia stellata were both more common on caliche pan habitat, where 

Shade also appeared to have a strong positive effect on these species (Figure 6b, c). 

Schismus arabicus abundance was quite similar across habitat types in the open, but 

increased very sharply in Shade on the caliche pan habitat only (Figure 6d). 

Community dissimilarity between the Runoff Control and Runoff 

microhabitats was significantly affected by the Year*Site interaction, and marginally 

significantly affected by the Year*Microhabitat interaction. We found no evidence 

for a Site*Microhabitat interaction, suggesting that soil differences across sites did 

not influence community dissimilarity across the Runoff Control and Runoff 

microhabitats.  

 

Biotic effects of panel within sites 

Shade vs. Control. – The prevalence and direction of panel shade effects on 

plant communities differed between caliche pan and gravelly bajada habitat. We 

found a significant effect of the Year*Microhabitat interaction on species richness at 

the caliche pan site (Table 3a), where Shade significantly increased richness in three 

relatively dry years (Figure 7a). Year was the only significant predictor of richness at 
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the gravelly bajada site (Table 3c), but richness was marginally significantly different 

between the Control and Shade microhabitats in two years (Figure 7b).  

Community diversity on caliche pan habitat was affected by a significant 

Year*Microhabitat interaction (Table 3b), with diversity higher in the shade for two 

out of three years where panel effects mattered (Figure 7c). Only Year had a 

significant effect on gravelly bajada habitat diversity, but Shade had a marginally 

significantly positive effect on diversity at this site in 2018 (Table 3d, Figure 7d). 

Native abundance was affected by the Year*Microhabitat interaction on 

caliche pan habitat, with higher abundance in Shade where significant or marginally 

significant differences occurred (Table 4a, Figure 7e). Year and Microhabitat had 

significant effects on exotic abundance, and the Year*Microhabitat interaction had a 

marginally significant effect (Table 4b); exotic abundance was higher in shade during 

three years on caliche pan habitat, but not in the two driest years, when sample sizes 

were inadequate to detect panel effects (Figure 7g, Appendix 1: Table S7). On 

gravelly bajada habitat, a Year*Microhabitat interaction affected native and exotic 

abundance (Table 4c, d). Native abundance was higher in the Control microhabitat in 

two of three years where panel effects mattered, and exotic abundance was higher in 

the Control for both years where panels had significant effects (Figure 7f, h). 

Site-specific trends for native abundance across the open and shaded locations 

persisted after reducing community data sets to the five species occurring on both 

habitat types (Appendix 1: Table S1, Figure S3). For this shared set of natives, Shade 
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increased abundance on caliche pan habitat but generally reduced abundance on 

gravelly bajada habitat.  

 

Runoff vs. Runoff Control. – Only Year was significant when comparing 

species richness and diversity in the Runoff and Runoff Control microhabitats (Table 

3), but estimated marginal means showed positive effects of runoff in two of the 

driest years of our study. Gravelly bajada richness and diversity were significantly 

higher in the Runoff microhabitat in 2012 (Figure 7b, d), and richness was slightly 

higher in the Runoff at the caliche pan site in 2013 (Figure 7a). 

We found that native abundance was affected by the Year*Microhabitat 

interaction on both habitat types (Table 4a, c). Native abundance was lower in the 

Runoff on caliche pan habitat in both years where differences were significant (Figure 

7e), and in two out of four years on gravelly bajada habitat (Figure 7f).  

Only Year had a significant effect on exotic abundance at the caliche pan site 

(Table 4b), but the estimated marginal mean for the Runoff microhabitat was 

significantly higher in one year (Figure 7g). The Year*Microhabitat interaction had a 

significant effect on exotic density at the gravelly bajada site (Table 4d), with 

marginally significantly more exotics in the Runoff microhabitat in 2012, and 

significantly more exotics in the Runoff Control microhabitat in 2015 (Figure 7h).  

 

Discussion 
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The high sensitivity of desert annual seed banks to rainfall transports seeds 

through barren, dry years and yields stunning superblooms in wet years (Went 1949, 

Beatley 1974, Chávez et al. 2019). Between these weather extremes, plants are 

distributed across a microhabitat mosaic created by topography and soil properties 

(Mabbutt and Fanning 1987; Parker 1991; Wondzell et al. 1996). We found strong 

evidence that habitat physical properties, together with rainfall, affect the response of 

plant communities to imposed microhabitat variation. Panels had consistent effects on 

multiple abiotic factors at two experimental arrays, where these effects interacted 

with weather to drive variable response in each plant community. Our robust field 

study demonstrates that these communities are able to persist in altered microhabitats, 

at least over a relatively short time frame. However, long-term effects of solar 

infrastructure on resident plant communities remain difficult to predict. This suggests 

that effective management strategies for communities of conservation concern may be 

possible in some cases, but the retention of native diversity at energy sites over the 

long term may not be assured.  

 We found that panels had three distinct and consistent effects: they intercepted 

sunlight, reduced soil temperature, and diverted rainfall. These effects were broadly 

similar to those reported at commercial and full-scale artificial arrays. Reductions in 

PAR under experimental panels near solar noon align with measurements taken at 

operational photovoltaic facilities (~92% reduction, Armstrong et al. 2016); lower 

soil moisture in the shade is consistent with reduced rainfall under a full-size artificial 

array (Smith et al., 1987); and shifts in soil temperature between open and shaded 
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locations match patterns reported in the United States, United Kingdom, and Chile 

(Armstrong et al. 2016, Smith et al. 1987, Suuronen et al. 2017). However, our seven-

year study contrasted with previous single-year studies that found positive effects on 

diversity in desert systems (Smith et al., 1987; Suuronen et al., 2017). Instead, we 

found shifting positive, negative, and neutral effects on two plant communities. Panel 

shade effects tended to be positive on caliche pan habitat but negative on gravelly 

bajada habitat, while panel runoff effects were mixed. We examine how weather and 

physical factors interacted with panels to drive different community impacts below. 

We found striking differences in annual plant emergence between the two 

study sites that we hypothesize are linked to a suite of physical properties. Our study 

encompassed a period of historic drought in California (Griffin and Anchukaitis 

2014) as well as a “superbloom” year, with broadly similar patterns of annual rainfall 

from 2012 – 2018 across both sites (Figure 2). Annuals emerged on the more 

favorable gravelly bajada habitat even in the driest years, but no annual plants 

emerged on caliche pan habitat during 2012, and very few natives emerged in 2013. 

Lower annual plant activity on caliche pan habitat in these years suggests that more 

rainfall is needed to stimulate seedling emergence and growth at this site. Community 

assemblages are largely dissimilar across sites, so these emergence patterns could be 

related to inherent species differences; however, the higher prevalence and generally 

positive effects of shade on caliche pan habitat suggest an ecological contrast between 

sites. We identified several factors that may increase plant stress on the caliche pan 
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landform in comparison to the gravelly bajada: aspect, wind exposure, soil chemistry, 

and texture. 

Situated on shallow south-facing knolls, plant communities on caliche pan 

habitat have greater sun exposure than communities on the gentle east-facing bajada 

slope. High sodium and boron content in caliche pan soil may also contribute to plant 

stress, or present barriers to germination in the absence of sufficient rainfall (Berger, 

1949; Nable et al., 1997; Luan et al., 2009; Baskin and Baskin, 2014). Sodium 

content in caliche pan soil was 75 times higher than levels in gravelly bajada soil and 

13 times higher than averages reported from bajadas elsewhere in the Mojave (Titus 

et al., 2002). The caliche pan site is less than 25 km from the largest borax mine in 

the world (Rio Tinto in Boron, California, USA), and boron content was twice the 

recommended threshold for irrigation water in the American southwest (Magistad and 

Christiansen, 1944). Soils at the caliche pan site were also finer, with higher clay 

content, cation exchange capacity, and water-holding capacity – explaining the higher 

soil moisture content on caliche pan habitat after storms that delivered more 

precipitation to the quick-draining gravelly bajada site (Figure 3).  

The prevalence of soil-borne pathogens or their effects on seed reserves in 

desert systems is largely unexplored (but see Li et al. 2019), and we observed higher 

fungal infection rates on seed buried at the caliche pan site compared to the gravelly 

bajada site (Appendix 2.3: Figure S1). Moisture favors fungal activity and increases 

seed mortality in other systems (Schafer and Kotanen, 2003; Mordecai, 2012), and we 

speculate that water-holding capacity may have influenced differences in fungal 
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infection rates across sites. More study is needed to determine the role of fungal 

agents and to test whether infection rates affect plant population dynamics in this 

system. 

Caliche soil horizons exacerbate drought conditions, trapping soil moisture at 

shallow depths where evaporation is rapid (Schlesinger et al., 1987; McAuliffe, 

1994). Hardpan caliche layers occur ~15 cm below the soil surface in this area (ERT, 

1988, and as encountered during panel installation). Hardpan carbonate layers limit 

shrub establishment and subsequent survival (McAuliffe, 1994), and knolls at our site 

are almost completely devoid of shrub cover (Appendix 1: Figure S1). The vacant, 

shallow soils above the caliche layer are colonized by winter annuals, and two rare 

species may even specialize on these locations – Eriophyllum mohavense and 

Chorizanthe spinosa. Endemism is often high where soil properties create harsh 

growing conditions (Kruckeberg, 1954), but apparent specialization can also result 

from the simple exclusion of intolerant species (Barbour, 1970; Moore and 

Elmendorf, 2011). E. mohavense has been associated with boron-enriched caliche 

soils (ERT, 1988), but whether this distribution reflects edaphic specialization or 

merely competitive release (e.g., from perennial shrubs) remains unknown. No rare or 

endemic annual plants were identified on the gravelly bajada habitat, although this 

community had higher species richness. Extreme environments may reduce diversity 

by filtering out species unable to tolerate or adapt to prevailing conditions (Odum and 

Barrett, 1971; Whittaker, 1972), but because the identities of taxa present on each 

habitat type were largely different (Appendix 1: Table S1), it is difficult to assess the 
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relative importance of edaphic constraints versus regional species pools as drivers of 

community composition.  

The absence of shrub cover on caliche pan habitat likely increased wind-

driven moisture loss. Wind exposure drives moisture loss from plant tissue and soils 

(Whitehead, 1962; Hanks et al., 1967), affects transpiration rates (Martin and 

Clements, 1935; Caldwell, 1970), and reduces plant biomass (Bang et al., 2010). High 

winds often made fieldwork at the caliche pan site difficult or uncomfortable for 

workers between January and March (the aboveground growing season). Compared 

to the gravelly bajada site, the number of days with winds over 35 km/hour increased 

72% on caliche pan habitat, and the number of days with winds over 65 km/hour 

increased 300%. Shrubs can reduce wind velocity up to 80% (Ash and Wasson, 

1983), and well-developed creosote bush cover likely slowed moisture loss on 

gravelly bajada habitat as well as improving human comfort. 

 

Panel effects on plant communities 

Our experiment produced ninety-eight opportunities to detect panel effects on 

annual plant communities: two microhabitat contrasts (Control vs. Shade, and Runoff 

vs. Runoff Control) * two sites * six years * four response variables – plus two extra 

years for species richness. We found significant differences between communities in 

the Control and Shade microhabitats in fifteen cases, and differences between the 

Runoff and Runoff Control microhabitats in ten cases. Panel effects were therefore 

relatively rare, occurring only 26% of the time. However, because experimental 
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panels are smaller than panels at operational arrays, our panels divert less rainfall and 

allow greater sunlight penetration early and late in the day; thus, our findings should 

be conservative estimates of impacts from full-size panels, especially where they are 

arranged in continuous arrays. 

Species richness and diversity were only affected by panel shade on caliche 

pan habitat, where shade effects were almost uniformly positive. In light of work 

showing that reductions in physical stress lead to higher diversity in arid systems 

(Danin, 1976; Smith et al., 1987), this finding supports our hypothesis of higher stress 

on caliche pan habitat. Panels intercept wind and solar radiation that contribute to soil 

moisture loss (Hanks et al., 1967), two functions that may be especially important 

where shallow, sodium-enriched soils are regularly scoured by high winds. Wind 

speeds can drop sharply under panels at operational arrays, and relative humidity is 

higher under panels (Armstrong et al., 2016; Suuronen et al., 2017). Smith et al. 

(1987) also showed that panels slowed springtime moisture depletion in the top ten 

centimeters of soil, the zone most relevant to diminutive desert annuals (Forseth et al., 

1984). We found that shade increased the number of E. mohavense plants surviving to 

maturity on caliche pan habitat in the spring of 2013 and 2014 (Chapter 2), coincident 

with positive effects on richness and diversity presented here. We speculate that 

reduced evapotranspiration in the shade allowed more species to persist under 

challenging conditions, boosting richness and diversity.  

Plant abundance was also higher in shade on caliche pan habitat, in keeping 

with work showing that more moderate microclimates under shrub canopies can boost 
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desert annual density and productivity (Patten, 1978; Tewksbury and Lloyd, 2001). 

Shade continued to exert some positive influence on caliche pan habitat even during 

the highest rainfall year (2017), when many numerically common species remained 

more abundant in shade (Appendix 1: Figure S4). However, conditions that favor 

high density do not necessarily favor high fitness (Kadmon and Shmida, 1990), and 

we found that shade effects on modeled E. mohavense growth switched from positive 

to negative in 2017 (Chapter 2). The positive effects of shade on caliche pan 

communities reported here may disappear under higher rainfall conditions, but this is 

difficult to predict from our data set because the highest rain year in the study was 

close to the historic median. It should be noted that Smith et al. (1987) found lower 

winter annual biomass under full-scale panels in the Sonoran desert, especially in the 

deep shade of the panel interior. Plant abundance and biomass may have different 

responses to shade, or differences in panel size may have contributed to divergent 

responses. 

Panel effects on gravelly bajada habitat generally contrasted with those on 

caliche pan habitat, mediated by differences in physical stress between sites. Winds 

were less frequent and slower at the gravelly bajada site, soils contained much lower 

levels of sodium and boron, and an east-facing site aspect reduced radiation exposure. 

Panel shade never had a significant effect on species richness or diversity at this site, 

and plants tended to be more plentiful in the open where differences were significant. 

We speculate that the combination of coarse soil and low rainfall drove stronger 

moisture limitation on gravelly bajada habitat (Noy-Meir, 1973), with the driest 
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conditions in shade. Thus, the negative effect of panel rain shadows appeared to 

overwhelm any otherwise protective benefit. The interpretation of panels effects 

primarily mediated through rainfall blocking at this site is supported by patterns 

observed in 2015 and 2017. During these two years of highest native abundance, 

when rainfall was above the 47th percentile, we saw no difference between shade and 

the open – suggesting that rainfall was adequate to relieve moisture limitation even 

under panels.  

The “rain shadow” effect on gravelly bajada habitat suggested an explanation 

for otherwise perplexing patterns in the panel runoff microhabitat. We expected water 

diversion by panels to drive higher moisture in the panel runoff zone, but moisture 

never differed between the open and runoff microhabitat on either habitat type 

(Figure 3). This outcome might be explained if (1) soils reached field capacity in both 

locations, or (2) panels did not divert enough water to drive measurable differences. 

Low-volume rain events are characteristic of the Mojave region; approximately 30% 

of storms on caliche pan habitat and 40% of storms on gravelly bajada habitat 

delivered less than 5 mm of rain during our study (data not shown). However, neither 

alternative explains why abundance was often lower in the runoff microhabitat at both 

sites.  

We had the opportunity to visit the gravelly bajada site during the 2013 storm 

that preceded our soil coring effort, and we observed no water falling from panel 

driplines. We also saw obvious effects of windblown rain – a strong westerly breeze 

during the storm created visibly drier patches of soil to the east of panels. Because the 
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runoff microhabitat is quite small, winds can offset panel rain shadows to encompass 

this area, potentially driving the negative effects observed on both landforms. While 

this may initially seem like a surprising result, shrub canopies can also negatively 

affect understory annuals by blocking rainfall when moisture is limiting (Tielbörger 

and Kadmon, 2000a). 

It is interesting to note that most departures from overall trends in panel 

effects occurred in 2018 on both habitat types. The usual fall rains were delayed to 

January this year, and shade effects switched from positive to negative for diversity 

on caliche pan habitat, and from negative to positive for native abundance on gravelly 

bajada habitat. It is not easy to interpret these results given the predominant pattern of 

shade effects on each habitat type – however, it does demonstrate that the timing of 

rain events can influence outcomes. Venable et al. (1993) showed that Sonoran desert 

annuals have different responses to temporal environmental fluctuations that drive 

shifts in community composition from year to year. Late rain may favor a different 

set of species than early rain, and/or these taxa may have a different response to 

conditions in panel microhabitats. Visualizations of common species in ‘wet’, ‘dry’, 

and ‘late rain’ years at our sites show shifts in relative species abundance with 

changing rainfall, as well as (in some cases) shifts in panel effects (Appendix 1: 

Figure S4). These patterns are consistent with a body of work showing that temporal 

niche differences are an important driver of species coexistence in fluctuating 

environments (Whittaker, 1972; Chesson, 2000; Hallett et al., 2019). Desert annual 

performance is also known to vary under shrub canopies depending on weather 
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conditions (Tielbörger and Kadmon, 2000b). To the extent that solar infrastructure 

creates varying microhabitats within the natural range of conditions that desert plant 

communities experience, long-term impacts may be limited. However, it seems likely 

that conditions under full-scale continuous arrays will push these boundaries, driving 

uncertain outcomes. 

 

Panel effects on the shared plant community 

Annual plant assemblages at each site were unique, possibly reflecting 

differences in habitat preference or local species pools. Out of sixty-three taxa 

observed, only seven species occurred on both habitat types, including the ubiquitous 

exotics Erodium cicutarium and Schismus arabicus. Of the four species that 

contributed most to community dissimilarity, three had markedly higher abundance in 

shade on caliche pan habitat, supporting our interpretation that panels reduced a suite 

of abiotic stressors more important than moisture limitation under panels. 

Importantly, two of the three species benefitting from shade on caliche pan habitat 

were the exotic invaders E. cicutarium and S. arabicus. Present at roughly equal 

abundance in the open at both sites, S. arabicus increased sharply in the shade on 

caliche pan habitat. E. cicutarium was more plentiful in the open on caliche pan 

habitat and shade benefits there were not as strong, suggesting this species is more 

tolerant of ambient conditions at this site; E. cicutarium has a taproot and may be 

more successful at acquiring water under dry conditions (Pitt and Heady, 1978). 

Naturalized in many ecosystems of California and beyond, these two invaders exhibit 
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broad environmental tolerance but clearly remain capable of positive response where 

solar microhabitats reduce stress. To the extent that generalist invaders are present on 

solar development sites, they may experience disproportionate benefit from shade – 

particularly where soils are stressful. These results highlight the potential for 

divergent panel impacts on native and exotic species, including the potential for some 

invaders, like S. arabicus, to proliferate under panel arrays.  

 

Deserts around the globe are priority targets for solar energy development, 

and these landscapes are often characterized by landforms with distinct physical 

properties and plant communities. While energy infrastructure may impose some 

abiotic changes consistently, weather and physical features of the landscape can 

interact with these changes to alter community impacts. Most studies to date have 

examined the ecological impacts of renewable energy development at a single site, 

for good reasons; facility access can be difficult to acquire and differences in site 

preparation methods or solar technology hinder direct comparison of effects 

(Suuronen et al., 2017). Here we used experimental panels to impose identical 

treatments on two habitat types differing in environmental drivers and tracked annual 

community response over seven years. Significant panel effects were found in 26% of 

cases, and the mechanisms driving these effects appeared to differ across 

microhabitats. Annual plants tended to be less abundant in the runoff zone on both 

habitat types, where plants experienced ambient insolation and temperature regimes 

but may have received less rainfall due to panel rain shadows. Yet, panel runoff did 
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improve richness and diversity on gravelly bajada habitat in the driest year. Multiple 

environmental factors were altered simultaneously in panel shade. Panels blocked 

solar radiation and wind as well as rainfall, and the net effect of these changes on 

shaded plant communities differed across sites. On caliche pan habitat, shade 

mitigated stress by blocking sunlight and buffering wind, tending to increase plant 

community abundance and diversity. On gravelly bajada habitat, moisture stress was 

exacerbated in panel shade, tending to reduce plant abundance. These results suggest 

that even where site disturbance regimes and energy technology are held constant, 

weather and site-specific factors will be important determinants of ecological impact. 

Solar energy impacts may also be strengthened where environmental conditions are 

most stringent, and exotic species may be able to take advantage of panel 

microhabitats. Endemic species also tend to be most common where habitat 

conditions are harsh, increasing the potential conflict between human goals for 

conservation and sustainable energy. 
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Table 1. 
Results from PERMANOVA analyzing community composition across years and site 

for (a) Control versus Shade microhabitats, and (b) Runoff Control versus Runoff 
microhabitats. 

 

    Predictor Df F-value P-value 
(a) 

Control vs. 
Shade 

Year 2 16.06 0.001 
 Site 1 49.74 0.001 
 Microhabitat 1 5.44 0.001 
 Year × Site 2 13.25 0.001 
 Year × Microhabitat 2 1.99 0.042 
 Site × Microhabitat 1 4.83 0.003 
 Year × Site × Microhabitat 2 1.38 0.194 
  Residual 108 - - 
(b) 

Runoff Control 
vs. Runoff 

Year 1 10.97 0.001 
 Site 1 50.90 0.001 
 Microhabitat 1 0.12 0.990 
 Year × Site 1 3.54 0.013 
 Year × Microhabitat 1 2.07 0.077 
 Site × Microhabitat 1 0.78 0.520 
 Year × Site × Microhabitat 1 1.48 0.193 
  Residual 65 - - 

 
 

Bold numbers indicate significant differences at the P ≤ 0.05 level; italics indicate a 
marginally significant difference at the P ≤ 0.10 level. 
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Table 2. 
Results from SIMPER analysis identifying the species contributing most to 

dissimilarity in communities across the caliche pan and gravelly bajada sites for (a) 
the Control microhabitat, and (b) the Shade microhabitat. The Avg column shows the 
average contribution of each species to overall dissimilarity in the Bray-Curtis matrix; 

the SD column shows the standard deviation of this contribution; and the Ratio 
column shows the ratio of these two values by species. The Caliche pan and Gravelly 
bajada average abundance columns show the average number of plants in the relevant 
microhabitat (area = 0.372 m2) at each site. The Cumulative % contribution column 

shows the cumulative contribution to dissimilarity as each species is added. 
 

 

  Species Avg SD Ratio 

Caliche 
pan 

average 
abundance 

Gravelly 
bajada 
average 

abundance 

Cumulative 
% 

contribution 
a) Control 

 Chaenactis stevioides 0.36 0.31 1.16 0.10 89.10 0.46 
 Schismus arabicus 0.18 0.18 0.99 23.70 24.30 0.69 

 Erodium cicutarium 0.13 0.12 1.12 26.67 9.30 0.87 
Gilia stellata 0.05 0.09 0.52 7.83 1.07 0.93 

 Eriogonum maculatum 0.02 0.04 0.52 0.03 3.70 0.96 
 Eriogonum pusillum 0.02 0.04 0.63 0.10 4.23 0.99 
 Filago depressa 0.01 0.02 0.52 0.13 1.53 1 
b) Shade 
 Chaenactis stevioides 0.31 0.25 1.23 0.33 102.40 0.40 
 Schismus arabicus 0.25 0.21 1.20 104.73 27.47 0.72 

 Gilia stellata 0.08 0.10 0.78 26.27 1.20 0.83 
Erodium cicutarium 0.08 0.07 1.10 32.33 17.30 0.93 

 Filago depressa 0.04 0.10 0.36 0.03 10.47 0.97 
 Eriogonum pusillum 0.01 0.02 0.59 0.00 3.03 0.99 
  Eriogonum maculatum 0.01 0.02 0.57 0.13 2.70 1 

 
Exotic species are indicated in bold. 

  



 40 

Table 3. 
Results from generalized linear models (GLMs) of species richness and Shannon 

diversity index across panel microhabitats on caliche pan habitat (a, b) and gravelly 
bajada habitat (c, d). 

 

  Model Predictor Df Deviance 
Residual 

Df 
Residual 
Deviance P-value 

Caliche pan             
(a) Species richness       
  Null - - 139 644.5 - 
 Control -  Year 6 480.9 133 163.6 < 0.001 
 Shade Microhabitat 1 18.0 132 145.6 < 0.001 
   Year × Microhabitat 6 37.0 126 108.6 < 0.001 
  Null - - 92 229.5 - 
 Runoff Control -  Year 6 181.9 86 47.5 < 0.001 
 Runoff Microhabitat 1 0.04 85 47.5 0.845 
    Year × Microhabitat 6 4.8 79 42.7 0.565 
(b) Shannon diversity index        Null - - 119 59.6 - 
 Control -  Year 5 41.6 114 18.1 < 0.001 
 Shade Microhabitat 1 1.0 113 17.0 0.003 
   Year × Microhabitat 5 4.1 108 12.9 < 0.001 
  Null - - 82 28.2 - 
 Runoff Control -  Year 5 21.0 77 7.3 < 0.001 
 Runoff Microhabitat 1 0.03 76 7.2 0.596 
       Year × Microhabitat 5 0.2 71 7.0 0.807 

Gravelly bajada             
(c) Species richness       
  Null - - 139 282.3 - 
 Control -  Year 6 192.6 133 89.7 < 0.001 
 Shade Microhabitat 1 0.4 132 89.3 0.540 
   Year × Microhabitat 6 6.5 126 82.8 0.365 
  Null - - 139 238.4 - 
 Runoff Control -  Year 6 142.7 133 95.7 < 0.001 
 Runoff Microhabitat 1 0.3 132 95.3 0.563 
  Year × Microhabitat 6 5.1 126 90.3 0.536 
(d) Shannon diversity index      
  Null - - 119 31.1 - 
 Control -  Year 5 15.1 114 16.0 < 0.001 
 Shade Microhabitat 1 0.5 113 15.5 0.052 
   Year × Microhabitat 5 0.4 108 15.1 0.714 
  Null - - 119 33.7 - 
 Runoff Control -  Year 5 16.7 114 17.0 < 0.001 
 Runoff Microhabitat 1 0.2 113 16.8 0.288 
    Year × Microhabitat 5 0.7 108 16.1 0.449 
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Poisson GLMs were used to model species richness and gaussian GLMs to model 
diversity. Bold numbers indicate significant differences at the P ≤ 0.05 level; italics 

indicate a marginally significant difference at the P ≤ 0.10 level. 
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Table 4. 
Results from generalized linear models (GLMs) of native and exotic community 

abundance (plant counts) across panel microhabitats on caliche pan habitat (a, b) and 
gravelly bajada habitat (c, d). 

 

  Model Predictor Df Deviance 
Residual 

Df 
Residual 
Deviance P-value 

Caliche pan           
(a) Native abundance 
  Null - - 119 523.6 - 
 Control -  Year 5 372.8 114 150.8 < 0.001 
 Shade Microhabitat 1 15.6 113 135.2 < 0.001 
   Year × Microhabitat 5 25.0 108 110.2 < 0.001 
  Null - - 82 287.0 - 
 Runoff Control -  Year 5 194.4 77 92.5 < 0.001 
 Runoff Microhabitat 1 1.5 76 91.1 0.226 
  Year × Microhabitat 5 15.9 71 75.2 0.007 
(b) Exotic abundance   Null - - 119 527.3 - 
 Control -  Year 5 395.9 114 131.5 < 0.001 
 Shade Microhabitat 1 11.5 113 119.9 0.001 
   Year × Microhabitat 5 10.9 108 109.0 0.053 
  Null - - 82 188.8 - 
 Runoff Control -  Year 5 96.3 77 92.4 < 0.001 
 Runoff Microhabitat 1 2.5 76 89.9 0.111 
    Year × Microhabitat 5 4.8 71 85.1 0.442 
Gravelly bajada           
(c) Native abundance   Null - - 119 870.6 - 
 Control -  Year 5 695.3 114 175.3 < 0.001 
 Shade Microhabitat 1 0.3 113 175.1 0.594 
   Year × Microhabitat 5 45.8 108 129.3 < 0.001 
  Null - - 119 517.4 - 
 Runoff Control -  Year 5 346.1 114 171.2 < 0.001 
 Runoff Microhabitat 1 0.02 113 171.2 0.891 
  Year × Microhabitat 5 36.1 108 135.1 < 0.001 
(d) Exotic abundance   Null - - 119 220.0 - 
 Control -  Year 5 72.5 114 147.5 < 0.001 
 Shade Microhabitat 1 0.3 113 147.2 0.569 
   Year × Microhabitat 5 18.1 108 129.1 0.003 
  Null - - 119 213.1 - 
 Runoff Control -  Year 5 75.2 114 137.9 < 0.001 
 Runoff Microhabitat 1 1.3 113 136.5 0.248 
    Year × Microhabitat 5 13.6 108 122.9 0.018 
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Negative binomial GLMs were used to model both native and exotic abundance. Bold 
numbers indicate significant differences at the P ≤ 0.05 level; italics indicate a 

marginally significant difference at the P ≤ 0.10 level. 
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Figure 1. 
Experimental sites and treatments; (a) layout of microhabitats for the Shade + Runoff 
and Control + Runoff Control treatments, and (b) panel array locations on caliche pan 

and gravelly bajada habitat inside the Desert Renewable Energy Conservation Plan 
Area (DRECP). Footprints of the Shade and Control microhabitats in (a) were defined 

by the ~ 60 x 62 cm shadow cast under panels at solar noon, and the ~16 x 60 cm 
Runoff and Runoff Control locations were established just to the south of panels. The 
areas surveyed were therefore 0.372 m2 for the Shade and Control microhabitats, and 
0.096 m2 for the Runoff and Runoff Control microhabitats. Plant community metrics 
(plant abundance, species richness, and diversity) are presented on the basis of actual 

area for each microhabitat; see Appendix 1: Plot sampling schemes for additional 
details and justification of this approach. 
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Figure 2. 
Rainfall (mm) accumulation for the hydrologic years 2012 – 2018 at permanent 

weather stations near (a) the caliche pan site (circles) and (b) the gravelly bajada site 
(triangles). By convention hydrologic years run October to September; e.g., the 2012 
hydrologic year runs from October 1, 2011 to September 30, 2012 (U.S. Geological 

Survey). Maximum volume and rainfall percentiles calculated from the historic 
period of record (1945 – 2018) at each station are indicated with blue dashed lines 

and italic labels. 
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Figure 3. 
Percentage moisture by weight of soil cores taken the day after storms at (a) the 

caliche pan site, and b) the gravelly bajada site. Boxplots show medians and 
interquartile range, with whiskers indicating the highest and lowest values excluding 

outliers. Open boxes indicate the Control microhabitat, blue boxes the Runoff 
microhabitat, and gray boxes the Shade microhabitat. Open circles are actual data 

points. Different letters above boxplots indicate significant differences at the P ≤ 0.05 
level. 
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Figure 4. 
Soil temperatures near solar noon for each month on (a) caliche pan habitat and (b) 
gravelly bajada habitat in 2017 – 2018, acquired using iButtons buried seven mm 
below the soil surface (see Appendix 1: Soil temperature for more details). Open 

circles show the Control microhabitat and filled circles show the Shade microhabitat 
at the caliche pan site. Open triangles show the Control microhabitat and filled 

triangles show the Shade microhabitat at the gravelly bajada site. Air temperatures 
from the closest permanent weather stations are shown for reference (asterisks). Error 

bars are one standard deviation. 
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Figure 5. 
PAR measurements across the light gradient under experimental panels for three 
sampling periods. (a) Measurements were taken in 9 subplots under panels and 

expressed as a percentage of light received in full sun for (b) morning, (c) solar noon, 
and (d) afternoon. Filled circles indicate the caliche pan site, and filled triangles 

indicate the gravelly bajada site. In panel (a) “Ce” indicates the central subplot; all 
other subplots are named for cardinal or ordinal directions. Error bars show one 

standard deviation. 
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Figure 6. 
Plant abundance (total individuals) in Control and Shade microhabitats at each site for 

the four species contributing most to community dissimilarity in SIMPER analysis; 
(a) Chaenactis stevioides, (b) Erodium cicutarium, (c) Gilia stellata, and (d) Schismus 

arabicus. Open circles show the Control microhabitat and filled circles show the 
Shade microhabitat at the caliche pan site. Open triangles show the Control 

microhabitat and filled triangles show the Shade microhabitat at the gravelly bajada 
site. Note the different scales on y-axes. 
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Figure 7. 
Community metrics across sites and microhabitats, presented on the basis of actual 

microhabitat area surveyed (0.372 m2 for Control and Shade, and 0.096 m2 for Runoff 
and Runoff Control). (a, b) Species richness; (c, d) Shannon diversity indices; (e, f) 
native abundance (total plants counted); and (g, h) exotic abundance (total plants 

counted) – see Appendix 1: Table S1 for a list of species on each habitat type. 
Abundance data were not collected in 2014. Circles and triangles are color-coded to 

distinguish microhabitats; symbols with a black outline show the Control 
microhabitat and filled black symbols show Shade. Symbols with a blue outline show 

the Runoff Control and filled blue symbols show the Runoff microhabitat. Stars 
indicate significant differences at the P ≤ 0.05 level, and daggers indicate marginally 
significant differences at the P ≤ 0.10 level; color-coding of these symbols identifies 
the relevant microhabitat comparison. A black star or dagger indicates a difference 

between Control and Shade, and a blue star or dagger indicates a difference between 
the Runoff Control and Runoff. Error bars are one standard deviation. 
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Chapter 2 

Microhabitats associated with solar energy development alter demography of 

two desert annuals  

 

Abstract 

 

Political and economic initiatives intended to increase energy production 

while reducing carbon emissions are driving demand for solar power. Consequently, 

desert regions are now targeted for development of large-scale solar facilities. Where 

vegetation communities are left intact or restored within facilities, ground-mounted 

infrastructure may have negative impacts on desert-adapted plants because it creates 

novel rainfall runoff and shade conditions. We used experimental solar arrays in the 

Mojave Desert to test how these altered conditions affect population dynamics for a 

closely related pair of native annual plants: rare Eriophyllum mohavense and common 

E. wallacei. We estimated aboveground demographic rates (seedling emergence, 

survivorship, and fecundity) over seven years and used seed bank survival rates from 

a concurrent study to build matrix models of population growth in three experimental 

microhabitats. In drier years, shade tended to reduce survival of the common species, 

but increase survival of the rare species. In a wet year, runoff from panels tended to 

increase seed output for both species. Population growth projections from 

microhabitat-specific matrix models showed stronger effects of microhabitat under 

wetter conditions, and relatively little effect under dry conditions (lack of rainfall was 
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an overwhelming constraint). Performance patterns across microhabitats in the 

wettest year differed between rare and common species. Projected growth of E. 

mohavense was substantially reduced in shade, mediated by negative effects on 

aboveground demographic rates. Hence, the rare species was more susceptible to 

negative effects of solar infrastructure in wet years that are critical to seed bank 

replenishment. Our results suggest that altered shade and water runoff regimes 

associated with energy infrastructure will have differential effects on demographic 

transitions across annual species and drive population-level processes that determine 

local abundance, resilience, and persistence. 

 

Introduction 

  

 Plant distribution, abundance, and species diversity are affected by complex 

physical gradients and variable climatic patterns at the landscape scale (Gleason, 

1917; Went, 1948; Tevis, 1958; Vazquez and Givnish, 1998; Levine et al., 2011; 

Normand et al., 2014). Microhabitat differences can mitigate effects of these drivers 

on species and population performance (Kadmon, 1993; Gómez-Aparicio et al., 2005; 

Wilson et al., 2010; Fedy and Martin, 2011; Garcia-Chavez et al., 2014; Stephens et 

al., 2014). Human impacts on plant populations are layered over sources of natural 

variation, often mediated through land type conversion and climate change (Lovich 

and Bainbridge, 1999; Easterling et al., 2000; Weltzin et al., 2003; Fischer and 

Lindenmayer, 2007; Selwood et al., 2015).  
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Political and economic initiatives have triggered a renewable energy 

development boom in the southwestern United States, driving extensive land-use 

change in previously unfragmented desert landscapes (Cameron et al., 2012, 

Hernandez et al., 2014, California Energy Commission et al., 2016). Roads and 

transmission corridors permanently alter topography and soil surface runoff patterns 

at large scales, and natural microhabitats created by topographic variation are overlaid 

by novel shade and moisture gradients under panels (Smith et al., 1987; Zink et al., 

1995; Grippo et al., 2015; Tanner et al., 2020). In some solar energy facilities, plant 

communities may remain in place under panels (e.g. Ivanpah Solar Electric 

Generating System, California, USA), or undergo restoration (e.g. Westmill Solar 

Park, United Kingdom) to confer co-benefits to energy generation (Hernandez et al., 

2019). Facility designs that retain ecological functions have been recommended as a 

means to increase the sustainability of solar energy development (Moore-O’Leary et 

al., 2017; Hernandez et al., 2019). To develop best management practices that reduce 

and mitigate energy development impacts, as required by state and federal policies, 

we need to understand how plant vital rates and population trajectories are affected by 

energy infrastructure. 

Desert annual plant species may be especially sensitive to altered 

microhabitats associated with energy infrastructure due to the finely tuned 

demographic processes that allow them to persist in highly variable environments. 

Annuals rely on temperature and precipitation triggers to stimulate germination and 

favor emergence (Beatley, 1974b; Freas and Kemp, 1983). Seed dormancy enables 
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persistence of populations through unfavorable periods – in any given year, only a 

fraction of seeds germinate, spreading germination risk over time (Philippi, 1993; 

Adondakis and Venable, 2004). Microsite conditions following seed dispersal affect 

rates of seed survival and mortality, driven by the effects of physical stress (heat, 

pressure, cold) on seed coats and microhabitat favorability to seed pathogens (Parker 

et al. 1989, Schafer and Kotanen 2003, Mordecai 2012, Li et al. 2019). Although seed 

demography is a critical driver of annual plant population performance (Schmidt and 

Lawlor, 1983; Brown and Venable, 1986; Salguero-Gomez et al., 2012), we lack 

detailed understanding of how microsite variation affects desert annual seed 

demography, making it difficult to forecast how novel microhabitats created by 

energy infrastructure may influence native plant populations. Furthermore, even when 

microsites are suitable for seed survival and seedling emergence, individuals may still 

fail to reproduce if conditions change or microhabitat conditions do not favor later 

life stages (Went, 1948; Tevis, 1958; Beatley, 1967; Pavlik, 2008). For this reason, 

surveys documenting annual species presence or abundance alone, particularly in a 

single year, may not indicate long-term species response to novel or altered habitat 

conditions. 

Population growth models integrate species performance across the life cycle 

and predict population-level consequences (Caswell, 2001; Salguero-Gomez et al., 

2012), providing an effective tool to compare species responses to the novel 

microhabitats generated by energy infrastructure. For annual plants, population 

growth models can also be used to explore effects of microhabitat variation on 
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belowground versus aboveground life stages, yielding a more comprehensive 

assessment of the mechanisms underlying species resilience or vulnerability. At 

present there is little empirical work testing energy infrastructure impacts on plant 

performance (but see Smith et al. 1987, Armstrong et al. 2016, Suuronen et al. 2017, 

Tanner et al., 2020), and to our knowledge, no studies have examined novel 

microhabitat effects at the population level. 

The impacts of novel microhabitats are likely to vary among species, and may 

depend in part on whether plants occupy a generalist or specialist niche. Rare species 

often occupy narrow or uncommon niches, which may make them more sensitive to 

shifts in abiotic conditions and lead to disproportionate impacts from landscape-level 

changes (Rabinowitz et al., 1986; Markham, 2014; Wamelink et al., 2014). Land 

conversion (e.g. agriculture, livestock grazing, urban development) is a major driver 

of rare plant extinctions (Lavergne et al., 2005), but logistical or regulatory barriers 

can make direct study of rare species impacts very challenging. In some cases, the 

study of carefully chosen common species that share a life history strategy or 

ecological niche may provide the opportunity to test effects of experimental 

treatments or conservation actions (Caro et al., 2005). Such use of “surrogate species” 

has been challenged on numerous grounds (Andelman and Fagan, 2000; Murphy et 

al., 2011) and there is a need to test whether designated surrogates fulfill their 

heuristic function (Caro et al., 2005). 

Recently, experimental panels have been used to simulate the distinct 

microhabitats created under photovoltaic arrays in the Mojave Desert, an area 
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disproportionately impacted by solar energy development (Tanner et al., 2020). 

Microsites under experimental panels had lower soil moisture compared to the open, 

with strong reductions in soil temperature and photosynthetically active radiation in 

panel shade (Tanner et al., 2020). Assay of the plant community demonstrated that 

the effect of altered abiotic conditions varied by habitat type and rainfall year, with a 

tendency for higher species richness and abundance in shade on stressful caliche pan 

habitat compared to gravelly bajada habitat (Tanner et al., 2020). Shifts in relative 

community abundance are an aggregate measure of demographic response across 

individual species. Here, we link demographic responses of two focal species, 

partitioned into belowground and aboveground components, to observed microhabitat 

variation in order to predict the population trajectories and sensitivities of these 

annual plants to novel microhabitats. 

We evaluated the demographic response of two Mojave desert annuals, 

Eriophyllum mohavense (rare) and E. wallacei (common), to runoff and shade 

conditions created by experimental panels that simulate solar installations. We 

applied belowground seed survival rates obtained in a concurrent experiment 

(Appendix 2.2), measured rates at which seeds germinated and emerged as seedlings, 

and tracked seedlings through reproductive maturity over a seven-year period. We 

used these data to parameterize matrix models (Caswell, 2001) to analyze population 

growth and sensitivity to varying life cycle transitions under contrasting microhabitat 

conditions. Model projections represent the cumulative demographic impact of each 

microhabitat across life stages, manifesting as relative population growth. We 
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hypothesized that the rare species would be more responsive to both natural and 

manipulated environmental variation than the common species. We address three 

questions: (1) How do microhabitats created by simulated solar panels affect 

aboveground density and demographic rates (seedling emergence, survival to 

adulthood, fecundity) in the context of year-to-year variation in rainfall? (2) Are there 

differences in the effects of microhabitats on demographic transition rates between 

the rare and common species? (3) How do experimental microhabitats affect the 

projected population growth rate of each species? 

 

Methods  

 

Rare – common species pair 

Our focal taxa are two plant species with similar morphology and life history 

strategies, both associated with low elevation creosote scrub typical of the Mojave 

Desert (Appendix 2.1: Figure S1). Eriophyllum mohavense (I.M. Johnst. Asteraceae) 

is a rare California endemic species of conservation concern (California Energy 

Commission et al., 2016), bearing the California Rare Plant Rank 1B.2 (California 

Native Plant Society, 2020). It is found in small, isolated occurrences, restricted to 

edaphic islands in the western Mojave Desert (California Native Plant Society, 2020, 

ERT, 1988). E. wallacei (A. Gray), is a common, self-incompatible forb (Mooring, 

2002) that is widely distributed across the American southwest. Both species are 

diminutive winter annuals found in shrub interspaces. Seeds germinate in fall or 
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winter and plants set achenes (hereafter called seed) in late spring (Jepson Flora 

Project, 2020).  

 

Study sites 

Arrays of experimental panels (Figure 1a) were used to measure species 

response to solar infrastructure, circumventing difficulties in securing facility access. 

This strategy also ensured identical experimental treatments across sites (operational 

arrays often differ in details, e.g. fixed versus tracking arrays), and allowed a test of 

panel effects on intact plant communities absent from nearby graded sites. Because 

the industry is moving towards designs that retain native vegetation understories (e.g., 

Ivanpah Solar Energy Generating System, California, USA), this approach is highly 

relevant for understanding site impacts. 

Locations supporting both Eriophyllum species proved elusive, so we 

established arrays at populations of each. Arrays are separated by ~55 km and differ 

in physical attributes which may affect plant performance. The “Caliche-mohavense” 

experimental array was installed on a series of south-facing knolls east of Boron, 

California, USA, at an elevation of 721 m. This array is sandwiched between the 

Solar Energy Generating Facility (SEGS) III-VII at Kramer Junction, and SEGS VIII-

IX and Mojave Solar at Harper Dry Lake to the east. Here E. mohavense occurs on 

edaphic “islands” with a subsurface caliche layer and soils high in boron (ERT, 

1988). The “Gravelly-wallacei” array was installed on a gently sloping bajada at an 

elevation of 925 m. The nearest operational solar facility is Longboat Solar outside 
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Barstow, California, USA, ~25 km to the northwest, and the decommissioned Solar 

One/Solar Two site is ~8 km to the northeast.  

 

Plots 

The distribution and density of the focal species is very patchy at scales under 

1 m2, so we chose plots non-randomly in spring 2011 to contain a threshold number 

of individuals (see Appendix 2.1: Experimental plots), thus increasing the probability 

of natural seed banks within plots. Twenty plots were randomly assigned to control or 

experimental treatment at each site. At treatment plots we installed experimental 

panels to create “Shade” and “Runoff” microhabitats (Figure 1b) that mimic 

conditions under photovoltaic panels (Tanner et al., 2020). Panels were constructed 

using metal frames to hold solar shields at a 30º angle (Appendix 2.1: Figure S2). 

 

Plant density 

We counted the total number of Eriophyllum individuals present across 

microhabitats at each plot on peak season surveys (late March – early April) from 

2012 – 2018.  

 

Seed bank retention 

Results from concurrent seed bank studies (Appendix 2.2) at the same 

experimental arrays were used to parameterize seed bank retention rates for each 

species, yielding “generous” and “conservative” rates of seed survival in the seed 
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bank. In that study, seeds from the 2015 and 2016 seed cohorts were sewn into fabric 

packets in summer 2016, distributed among the Control, Runoff, and Shade 

microhabitats in fall 2016, and retrieved in March of 2017 or 2018 (Appendix 2.2: 

Figure S1). Staggered collection allowed estimation of seed bank retention rates after 

one or two growing seasons. In addition, a subset of recovered intact seeds were 

subjected to tetrazolium staining assay (Appendix 2.2: Figure S2). Retention rates 

determined from visual inspection were considered to be a “generous” estimate of 

survival in the seed bank; multiplying these estimates by the proportion assessed 

viable in tetrazolium assays provides a more “conservative” estimate of seed bank 

survival (Appendix 2.1: Table S1). Microhabitat did not affect the proportion of intact 

seed recovered from packets buried for one season, but more seed remained intact in 

the Shade microhabitat after two growing seasons (Appendix 2.2: Figure S3, Table 

S2). There was no effect of microhabitat or burial duration on tetrazolium staining 

rates for seed of either species (Appendix 2.2: Figure S4, Table S3). 

 

Seedling emergence, survivorship, and fecundity 

To track emergence, seeds were attached to toothpicks with water-soluble 

glue (see Appendix 2.1: Seedling emergence, Table S2) and sown into Control, 

Runoff, and Shade microhabitats. This allowed us to estimate the proportion of 

individuals successfully transitioning from dormant seed to seedling (Baack et al., 

2006) for each microhabitat.    
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Between late January and early February in six years (2012 – 2014 and 2016 – 

2018), we randomly selected seedlings with two whorls of true leaves or fewer 

(“juveniles”) and marked them with colored toothpicks. These plants were followed 

through the growing season, and final state was assigned as “non-reproductive” or 

“reproductive” (Appendix 2.1: Figure S1) based on observations between late March 

and early April. We assumed that plants in bud or flower would successfully 

complete the life cycle. Missing plants (an infrequent occurrence) were assigned a 

phenological state based on the last observation made.  

A subset of marked, reproductive individuals was randomly selected for 

collection to estimate number of seeds produced per plant across microhabitats in 

each year. When sample sizes of mature, marked plants in a given microhabitat were 

low, we collected additional mature, unmarked plants from the same location where 

possible. When this was not possible, we supplemented collections with additional 

mature plants from the appropriate microhabitat at other plots. Collected plants were 

stored individually in paper coin envelopes until capitula could be dissected under a 

stereoscope at University of California. Only mature seeds (black, firm) were 

included in seed counts.  

 

Rainfall 

The rainfall season for winter annual plants begins in fall and extends through 

spring, so we define the growing season as October through March and use 

hydrologic year naming conventions (e.g., October 2011 to March 2012 is the 2012 
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hydrologic year); see Appendix 2.1: Rain window modeling for more details. We 

acquired historic rainfall data for each site from nearby weather stations as described 

in Tanner et al., (2020). We calculated cumulative rainfall for rain windows of 

interest, and used data from 1945 – 2018 to calculate 5th through 95th rainfall 

percentiles for each site. 

 

Data analyses 

Plant density. – Plant density was calculated at the plot level for each 

microhabitat in all years where data were available. From first principles, the number 

of individuals encountered increases with area surveyed, so we focused on contrasts 

between microhabitats with the same dimensions (i.e., Control vs. Shade, and Runoff 

Control vs. Runoff) to circumvent this bias. We broke data into the appropriate 

subsets and took the square root of density to reduce heteroscedasticity. The influence 

of total rainfall, early rainfall, and late rainfall on density was tested by building sets 

of linear models using cumulative precipitation from five different “rain windows” as 

predictors (see Appendix 2.1: Table S3). The early rain window had most influence 

on plant density, in agreement with earlier work on desert winter annuals (Beatley, 

1974b). Final regression models of density response to weather included early 

rainfall, microhabitat, and the interaction between microhabitat and rainfall. We then 

compared patterns in model predictor significance to a model substituting a 

categorical year predictor for rainfall (the year predictor implicitly captured rainfall as 

well as additional sources of environmental variability across years). Diagnostic plots 
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showed some deviation from linear assumptions for both model variants (in 

particular, heteroscedasticity could not be entirely eliminated in the year model). We 

also found that the patterns in model predictor significance shifted between the 

rainfall and year model variants; we present results for the latter here because 

environmental cues other than rainfall are known to affect emergence (e.g., 

temperature during or following rainfall; Went and Westergaard 1949, Adondakis and 

Venable 2004, Levine et al. 2008). We used the car package (Fox and Weisberg, 

2011) to extract Type III P-values from models and conducted post-hoc comparisons 

between microhabitats using the emmeans package (Lenth, 2019) to generate adjusted 

marginal means for unequal sample sizes. Significant differences are reported at the P 

≤ 0.05 level and marginally significant differences are reported at the P ≤ 0.10 level 

throughout. 

 

Demographic rates 

Seed retention rate. – When comparing the retention rates for the 2015 and 

2016 seed cohort after burial for 1 growing season, we found no evidence of lower 

survival in the older cohort (Appendix 2.2: Figure S3). We therefore chose to 

combine cohort data sets for bootstrapping belowground demographic rates 

(Appendix 2.1: Table S1).  

Seedling emergence rate. – Seedling emergence rate was calculated by 

dividing the total number of seedlings observed on toothpicks by the total seed 

present in toothpick arrays, generating separate estimates for the cohort of 2011 seed 
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and the combined cohorts of 2015 and 2016 seed (Appendix 2.1: Table S2). Because 

emergence rates were low across all years and seed cohorts, we did not generate 

separate estimates on a plot basis. Instead, the number of seedlings observed for the 

2011 cohort and the combined 2015/2016 cohort was tallied across plots, and a single 

emergence rate was calculated for each microhabitat and cohort across years. Fisher’s 

exact tests were used to compare emergence across microhabitats in all years with 

non-zero emergence.  

Survivorship and fecundity. – Plant survivorship and mean seed output were 

calculated at the plot level for each microhabitat in all years where aboveground data 

were available. Before calculating survivorship and seed output on this basis, we 

combined data from Control and Runoff Control microhabitats (where growing 

conditions were identical for any given year). We tested the influence of total rainfall, 

early rainfall, and late rainfall on survivorship and seed output by building sets of 

linear models (ANCOVAs) with cumulative precipitation from five different “rain 

windows” as a predictor (see Appendix 2.1: Rain window modeling). Models 

included microhabitat, rainfall, and microhabitat*rainfall as fixed effects. Seed count 

data were square-root transformed to help control spread of model residuals at higher 

fitted values. Comparisons of model AIC values were used to identify the rain 

window with greatest explanatory power for survivorship and seed output of each 

species (Appendix 2.1: Table S3). We used lmlist in the lme4 package (Bates et al., 

2015) to obtain linear equations for response variables across microhabitats in all 
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analyses, and conducted post-hoc tests of marginal means among microhabitats for 

each level of rainfall using the emmeans package (Lenth, 2019).  

 

Demographic modeling 

Matrix models (Caswell, 2001) were built for the target species using rates 

obtained in the Control, Runoff, and Shade microhabitats over the seven-year period 

2012 – 2018. Separate experiments for each life stage were used to estimate 

belowground and aboveground demographic rates needed to parameterize models, 

avoiding seed bank disturbance otherwise needed to obtain seed survival and 

germination estimates. Because our models incorporate aboveground and 

belowground transition rates from different individuals obtained over unequal time 

periods (seven years for aboveground estimates, versus two years for belowground 

estimates), our demographic analyses do not fully capture covariance structure that 

may exist among rates. We therefore assume that associations between above and 

belowground transition rates are not primary drivers of variation in population 

performance (Kalisz and McPeek, 1992). We used time-invariant, linear models 

taking the form n(t+1) = A n(t), where A is an age-structured 3 × 3 matrix of fecundity 

and survival probabilities for seed aged 1 to 3+ years (see Appendix 2.1: Figure S3). 

For convenience we reduced the life stages to seed age classes (Schmidt and Lawlor, 

1983), and we chose a 3 × 3 matrix because we observed rapid change in seed 

survival once seed entered the soil seed bank for both species (Appendix 2.2: Figure 

S3). Models therefore included age-specific seed survival in the seed bank with the 
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simplifying assumption that seed age does not affect survivorship or fecundity once 

individuals germinate and emerge aboveground (Schmidt and Lawlor, 1983). We 

used a starting vector (n) of 1000 one-year old seeds, and a projection interval from 

September of year X to August of year X +1, consistent with a winter annual life 

cycle (no individuals survive aboveground from one interval to the next).  

In years with sufficient aboveground data (transition rates estimated from at 

least seven marked plants, Appendix 2.1: Table S4), bootstrapping techniques were 

used to estimate seedling survivorship to maturity and seed output. From data sets for 

each microhabitat and year, we randomly drew individuals with replacement to 

generate bootstrapped data sets of equal size (Kalisz and McPeek, 1992). In years (or 

microhabitats) where plants exhibited no or minimal aboveground activity (transition 

rates derived from less than seven marked plants), λ was calculated using only 

belowground matrix elements (Appendix 2.1: Table S4, Figure S3), allowing 

microhabitat effects to operate on seed bank survival in the absence of aboveground 

activity. Generous retention rates were bootstrapped from proportions of intact seed 

from seed bank packets collected in 2017 or 2018, estimating survival in the seed 

bank for 1 or 2 growing seasons, respectively (Appendix 2.2: Figure S3). 

Bootstrapped rates were then multiplied by tetrazolium staining rates (Appendix 2.2: 

Figure S4) averaged across seed cohorts to generate conservative estimates of seed 

bank survival (Appendix 2.1: Table S1). We reapplied the seed bank survival rate for 

2 growing seasons to seed aged three years or older.  
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In some cases, alternative values were substituted for missing or unrealistic 

transition rates in matrices, when these were clearly artifacts of stochasticity and 

small sample size (Appendix 2.1: Table S4). For example, the experimental seedling 

emergence rate from seeds on toothpicks never exceeded 5.6%, and was zero in some 

years and microhabitats when natural emergence was relatively common. In such 

cases, including an emergence rate of zero in aboveground matrix elements 

effectively ignores microhabitat effects on survivorship and fecundity, an outcome we 

wished to avoid in years with obvious aboveground activity. To allow modeling of 

aboveground as well as belowground performance in these situations, we substituted 

Control emergence rates for missing rates within year. If no non-zero rates were 

available for a given year, we took a conservative approach and substituted the lowest 

rate observed across years. In addition, logistical constraints prevented us from 

marking young plants in 2015, so we lack estimates of survivorship in this year. To 

fill this gap, we calculated mean survivorship for each microhabitat across two years 

bracketing 2015 in terms of late rainfall percentile (2014 and 2016 for E. mohavense, 

and 2013 and 2017 for E. wallacei; Figure 2).  

We bootstrapped matrices (N = 1000) for each year and microhabitat (Control, 

Runoff, Shade) to estimate deterministic λ, as well as elasticity values for each 

transition rate. λ indicates species-specific performance (Caswell, 2001) in each 

microhabitat given annual weather conditions, with 95% confidence intervals 

calculated from bootstrapped data sets for each species to evaluate microhabitat 

differences. The elasticity of λ to change in different demographic transition rates can 
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reveal the influence of those rates on population growth for each species. Elasticity 

values across the set of transition rates for a given microhabitat and year always sum 

to 1, so the relative influence of aboveground versus belowground matrix elements on 

λ can be assessed (de Kroon et al., 1986). We also tested the influence of individual 

demographic transitions incorporated in aboveground matrix elements (Franco and 

Silvertown, 2004) in our highest rainfall year, applying constant values for seedling 

emergence, survivorship, and seed output in turn when bootstrapping λ for both 

species. All projections were generated and analyzed using the popbio package 

(Stubben and Milligan, 2007) in R version 3.6.3 (R Core Team, 2020).  

 

Results 

 

Weather 

Total October to March rainfall was below the historic median in most years 

of our study (Figure 2). Rainfall was below the 25th percentile in five years at the 

Caliche-mohavense site (Figure 2c), and three seasons at the Gravelly-wallacei site 

(Figure 2f). In 2017, total rainfall was in the 89th percentile at the Gravelly-wallacei 

site, but closer to the median at the Caliche-mohavense site. The latter therefore 

experienced a higher incidence of dry periods during our study. We observed high 

variation in precipitation within year at each site, with percentile rankings shifting 

depending on the rain window considered (compare 2014 rainfall windows at the 

Gravelly-wallacei site for a particularly dramatic example – Figure 2d, e, f).  
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Plant density 

The Year*Microhabitat interaction had a significant effect on density across 

the Control vs. Shade microhabitats (Table 1a, c). Density of the rare E. mohavense 

was higher in Shade in two mediocre rainfall years, but did not differ from the 

Control in the driest and wettest years (Figure 3a, b). E. wallacei showed a different 

pattern, with higher density in the Control in years where microhabitat effects 

mattered (Figure 4a, b). Only Year affected density across the Runoff Control vs. 

Runoff microhabitats (P < 0.001 for both species, Table 1b, d). 

 

Demographic transitions 

In general, microhabitat did not affect seedling emergence; the only difference 

observed was marginally higher emergence in the Control compared to Shade for E. 

mohavense in 2015 (Fisher exact test, P-value = 0.083, Appendix 2.1: Table S5). 

Over all microhabitats, the proportion of seeds germinating and emerging as seedlings 

from toothpick cohorts ranged between 0 and 1.8% until 2017, the wettest year, when 

the average proportion across microhabitats increased to 4.7% for E. mohavense and 

3.3% for E. wallacei (Appendix 2.1: Table S2). 

The late rain window held most explanatory power for survivorship of both 

species (Appendix 2.1: Table S3a, b). During our 7-year study, cumulative late rain 

was below the 50th percentile in at least 5 years at both sites, with three of those 

seasons below the 25th percentile (Figure 2b, e). Microhabitat and rainfall interacted 
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to regulate E. mohavense survival (Table 2a). When late rainfall was low, E. 

mohavense survival was higher in Shade than in the Control microhabitat (Figure 3c, 

d). Rainfall had a strong effect on E. wallacei survivorship, and microhabitat also had 

a significant effect (Table 2c), with slightly higher survivorship in the Control and 

Runoff microhabitats across observed rainfall levels (Figure 4c, d). 

For seed output, late or total rainfall was the best predictor, depending on 

species (Appendix 2.1: Table S3). Microhabitat had a significant effect on mean seed 

output in both species, with the most seed produced by plants in Runoff (Table 2b, d; 

Figure 3e, f; Figure 4e, f). For E. mohavense, Runoff plants produced significantly 

more seed than those in either the Shade or Control microhabitats. For E. wallacei, 

Runoff plants produced significantly more seed than Shade plants, but there was no 

difference between Runoff and Control plants. 

Collectively, microhabitat and rainfall explained more of the variability in 

survivorship and seed output for E. mohavense than E. wallacei, suggesting the rare 

species was more sensitive to environmental variation from natural or experimental 

sources. Microhabitat and rainfall explained 74% of the variability in survivorship 

and 45% of the variability in seed output for the rare species, compared to 46% and 

25% for the common species (Appendix 2.1: Table S3). 

 

Population growth projections 

Estimates of annual population growth in all microhabitats were below the 

replacement rate (λ = 1) in all years except 2017 (Figure 5a, b). In this single boon 
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year, both species showed important responses to microhabitat variation generated by 

the experimental arrays. For the rare E. mohavense, population growth was positive 

across all microhabitats in 2017. In this prime season there was a strong negative 

effect of Shade on λ, which was substantially lower in Shade compared to the Control 

and Runoff. In contrast, positive growth of the common species in the same year was 

restricted to the Runoff microhabitat. These contrasting results demonstrate clear 

differences in the responsiveness of the two species to environmental variation. 

Over the seven-year study period, elasticity analyses showed that the 

population growth rate of both species was most responsive to variation in 

aboveground demographic rates in 2017, the prime year (Figure 5c, d). However, 

microhabitat-specific λ’s for E. mohavense and E. wallacei were not equally sensitive 

to different component rates included in aboveground matrix elements (Appendix 2.1: 

Figure S3). Sensitivity analysis showed that λ in the Runoff was substantially limited 

by seedling emergence rate for E. mohavense (Appendix 2.1: Figure S4, a vs. b), but 

not E. wallacei (Appendix 2.1: Figure S4, e vs. f). Similarly, λ was limited in Shade 

by survivorship (Appendix 2.1: Figure S4, a vs. c) and seed output (Appendix 2.1: 

Figure S4 a vs. d) for the rare species, but not the common species (Appendix 2.1: 

Figure S4, e vs. g; and Figure S4, e vs. h).  

In drier years seed bank dynamics were strong determinants of overall decline 

in λ for both rare and common populations. Aboveground rates had no influence on 

E. mohavense λ in 2012, 2013, or 2018 (Figure 5c), reflecting either total 

aboveground absence or 0% survivorship across microhabitats (Appendix 2.1: Table 



 73 

S4); the same pattern occurred for E. wallacei in 2018 (Figure 5d). Elasticity is by 

definition zero for transition rates that are not observed, and consequently, all of the 

model elasticity resides in belowground rates for these years (Figure 5e, f). For 

remaining years, higher seed retention rates in Shade (Appendix 2.2: Figure S3) 

tended to drive greater elasticity in that microhabitat (Figure 5e, f). Substituting 

generous seed retention rates for conservative rates increased λ somewhat across the 

board (Appendix 2.1: Figure S5), but had a disproportionate effect on E. wallacei in 

Shade – likely related to greater variability in Shade seed bank retention rates over 

time for that species (Appendix 2.2: Figure S3). E. wallacei also tended to show more 

elasticity to aboveground matrix elements across years, reflecting its greater ability to 

achieve some level of survivorship and fecundity across the study period, in keeping 

with a habitat generalist strategy (Figure 5d, Appendix 2.1: Table S4). 

 

Discussion 

 

Annual plants comprise 40 – 50% of desert floras, and provide critical resources for 

desert animals (Brown et al., 1979; Parker et al., 1989; Venable et al., 1993). It is 

therefore important to understand the potential impacts of renewable energy 

development on this foundational component of desert ecosystems. We found 

evidence that solar infrastructure may affect demographic processes of two desert 

annuals through alteration of key microsite habitat conditions. Our closely related 

focal species showed different demographic responses to microhabitats generated by 
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experimental arrays as well as rainfall. Because our focal species had different 

edaphic niches and did not co-occur across sites, we cannot isolate differences in 

inherent demographic response from effects of the local environment. The rare, 

narrowly distributed E. mohavense on caliche soil appeared to be more sensitive to 

environmental variation, whether imposed by experimental arrays or naturally 

occurring weather patterns. These findings are consistent with theory that this 

narrowly distributed endemic has a more constrained edaphic niche (Kruckeberg and 

Rabinowitz 1985, Wamelink et al. 2014, ERT, 1988). For both species, performance 

tended to improve where plants received additional water from panel runoff, and in 

years of higher rainfall. Yet plant response to under-panel microhabitats differed 

between species and across rainfall years – providing evidence that impacts of solar 

infrastructure can vary across species and on the same species under different climatic 

conditions (Moore-O’Leary et al., 2017). 

Both timing and total amount of precipitation drive strong fluctuations in 

desert annual performance (Went and Westergaard, 1949; Beatley, 1974b; Fox, 

1989). Our study period captured a broad range of rainfall variability both across and 

within years, particularly at the Gravelly-wallacei site. Rainfall variation was well 

distributed across the early, late, and total rainfall windows having greatest influence 

on plant density, survival, and seed output, respectively. Our experiment 

encompassed weather conditions associated with mass germination events, which are 

triggered by early rain exceeding 25 mm (Beatley, 1974b). We observed a mass 

germination event in 2017, confirmed by on-site rain gauges. Rainfall above 15 mm 
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but below the critical 25 mm threshold results in “scattered emergence,” often 

concentrated in favorable microhabitats (Beatley, 1974b). We observed scattered 

emergence in 2014 at both sites, and at the Caliche-mohavense site in 2015, when 

weather stations confirmed rainfall in the 15 – 25 mm range. Lastly, our study 

covered a historic drought period in California (Griffin and Anchukaitis 2014), when 

we observed low (or no) plant emergence. The wide breadth of rainfall conditions 

captured in our study give a robust sense of the possible response spectrum for both 

species.  

Our work agrees with previous studies showing that early rainfall strongly 

regulates winter annual germination, and we found that the October – December 

rainfall window was the best predictor of Eriophyllum density. However, for each 

species, we found that within-season weather variation decoupled density and 

reproductive success in some years. Our life-stage transition results demonstrate that 

high density does not necessarily lead to demographic success, because survival and 

reproduction are contingent on persistence of favorable conditions throughout the 

growing season (Tevis, 1958; Beatley, 1967). For example, in 2014 nearly all E. 

mohavense individuals that were not shaded desiccated before flowering. In 2018 the 

first rains were delayed until January, when relatively high density was observed but 

very few individuals advanced to the juvenile stage and none appeared likely to 

flower.   

Shade mediated the responses of both species to rainfall, the critical driver of 

germination for desert annuals (Juhren et al., 1956; Beatley, 1974b; Freas and Kemp, 
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1983). In drier years, shade tended to improve microsite favorability for E. 

mohavense, as expressed by plant density, while reducing favorability for E. wallacei. 

Similar patterns emerged for the native community as a whole – in mediocre rainfall 

years, mean abundance tended to be higher in shade on caliche pan habitat, where E. 

mohavense occurs; and abundance tended to be higher in the open on gravelly bajada 

habitat, where E. wallacei occurs (Tanner et al., 2020). Interestingly, shade did not 

affect density of either species in the highest rainfall year. Moisture penetration under 

small-scale panels was likely greatest in this year, suggesting that moisture rather 

than other factors constrained Eriophyllum density in drier years. Desert annuals can 

perform well in shrub canopy shade, likely due to light saturation in the open at levels 

below maximum production efficiency (Mooney et al., 1976; Patten, 1978; Werk et 

al., 1983). Slower moisture loss in the shade also means that stomata can remain open 

longer, reducing carbon limitation. However, two single-year studies have found that 

shade under full-size panels can limit biomass of desert annuals and grassland 

communities (Smith et al. 1987, Armstrong et al. 2016). 

Differences in soil and site properties likely contributed to variable plant 

response in the under-panel microhabitat. In mediocre rainfall years, water diversion 

by panels may have had a stronger negative effect at the Gravelly-wallacei site 

because the coarse substrate had lower water-holding capacity (Tanner et al., 2020). 

Rainfall diversion combined with well-drained soil could drive stronger water 

limitation under panels at this site (Noy-Meir, 1973). Wet conditions in 2017 

appeared to be favorable enough to eliminate this effect, and each species had similar 
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density in the open and in under-panel microhabitats. Regardless of the specific 

mechanisms at play, this equivalent density in the control and shade microhabitats 

under wet conditions resulted from higher E. wallacei density under panels, but 

higher E. mohavense density in the open. When rainfall is more plentiful, E. 

mohavense appears to specialize more strongly on exposed habitat – perhaps because 

few other species colonize these locations at high density. It is worth noting that 2017 

rainfall at the Gravelly-wallacei site was near the high end of the historic range, while 

our study did not capture any years of particularly high rainfall at the Caliche-

mohavense site. E. mohavense density in the open may therefore outpace that in the 

shade as rainfall increases. 

 

Effects on demographic rates 

We found no significant effects of microhabitat on emergence of experimental 

seeds across years (Appendix 2.1: Table S5). This finding is consistent with the 

equivalent seed retention rates observed across microhabitats for packets buried 

through the 2017 growing season, but cannot help explain the pattern of higher seed 

bank retention for both species in shade for packets buried through 2018 (Appendix 

2.2: Figure S3). Because 2018 was relatively dry, we speculate that stronger moisture 

limitation under panels may have reduced seed germination or seed decay rates, 

possibly mediated by shifts in soil microbial activity in shade (Schafer and Kotanen, 

2003; Mordecai, 2012; Li et al., 2019). Interestingly, we found higher fungal 

infection rates on seed buried in caliche pan soil (Appendix 2.3), perhaps related to its 
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higher water-holding capacity (moisture can favor fungal activity). Although a 

fungicide treatment used in one of our seed bank studies had no effect on seed 

retention rate across microhabitats (Appendix 2.2: Figure S5), we cannot rule out a 

role for pathogen activity. Our choice of fungicidal agents, the one-time nature of the 

treatment, and/or its timing before fall rains may have contributed to the lack of 

treatment effect.  

We confirmed that emergent Eriophyllum seedlings in any single year 

represent a small fraction of the belowground population, yet found that emergence 

rates were unaffected by microhabitat differences. This was surprising because we 

expected that variation in seedling emergence rates would be tightly coupled to 

observed patterns in population density across microhabitats. Instead, E. mohavense 

density differed in the open and shaded microhabitats in two years, and E. wallacei 

density differed across these locations in three years; but emergence rates between 

microhabitats were only marginally different for E. mohavense in a single year. For 

both species, experimental emergence rates were always less than 5%, often less than 

1%, and frequently zero – even in years when we observed relatively abundant 

natural emergence from the soil seed bank. Low and variable germination fractions 

have been documented for many desert annual species (Philippi, 1993; Pake and 

Venable, 1996; Clauss and Venable, 2000), including 2% for Eriophyllum lanosum 

seed under conditions that should favor germination (Adondakis and Venable, 2004). 

Given the high dormancy rates typical of desert annuals, and limited seed supply from 
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the 2015 and 2016 seed cohorts, our extensive toothpick plantings may still have 

lacked the power to detect emergence differences across microhabitats.  

Shade affected survivorship of aboveground plants differently for each 

species. For the rare species, E. mohavense, response to shade depended on rainfall 

year: E. mohavense survivorship was higher in the shaded microhabitat in drier years, 

but lower in shade in the wettest year. This potentially signals a shift in the relative 

importance of desiccation risk for E. mohavense on stressful caliche pan habitat 

(Tanner et al., 2020) versus other factors limiting growth. In the wettest year, 2017, 

lower E. mohavense shade survivorship coincided with the highest observed 

abundance of the native community and second highest abundance of the exotic 

community at the Caliche-mohavense site (Tanner et al., 2020). In such years of 

higher productivity, greater competition may reduce survival (Inouye, 1980; Kadmon 

and Shmida, 1990; Goldberg and Novoplansky, 1997), and E. mohavense’s small size 

likely puts it at a competitive disadvantage. Survivorship of emergent seedlings 

across control and runoff microhabitats was roughly equivalent in both species, 

consistent with the similar soil moisture conditions observed in those locations 

(Tanner et al., 2020).  

 

Effects of microhabitat on projections of population growth 

We used population projections as aggregate measures of demographic 

performance across microhabitats and years to make comparisons of life stage effects 

within and between species (Caswell, 2001). Our population growth models were 
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parameterized with aboveground life stage transition rates observed at each site over 

seven years, implicitly capturing the influence of microhabitat, prevailing weather, 

and physical factors characterizing each site on emergent plants. Although we 

parameterized models using seed retention data measured in just two years, this 

timeframe captured the most dynamic period of change in soil seed bank survival 

rates (Appendix 2.2: Figure S3). Relatively few seeds survived burial for two growing 

seasons, but the accumulation of such longer-term dormant seeds in the soil seed bank 

is deemed critical for long-term population persistence (Cohen, 1966; Nelson and 

Chew, 1977; Ooi, 2012).  

Dry years acted as demographic sinks for both species, with declining λ 

almost entirely driven by rates of seed survival and death. Within these years, the 

shaded microhabitat often exhibited the highest λ because seed bank retention rate 

were greatest in shade after two growing seasons for both species (Appendix 2.2: 

Figure S3). There were slightly different patterns among growth rates across 

microhabitats for E. mohavense in 2015 and E. wallacei in 2014, when aboveground 

performance improved somewhat with higher rainfall. However, emergent seedlings 

in drier years had relatively low survivorship and fecundity, largely depleting the seed 

bank without replenishing it. Elasticity patterns also reflected the dominant influence 

of seed bank dynamics in these years, with belowground rates having an important 

influence on λ in dry years, and shade generally exhibiting highest λ due to higher 

seed bank survival in that location over time (Appendix 2.2: Figure S3). 
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The highest rainfall conditions observed (2017) offered an important 

opportunity for E. mohavense seed bank replenishment. In this year, population 

growth was positive in all microhabitats for E. mohavense, but λ was substantially 

reduced by shade in comparison to open or runoff microhabitats. For the common E. 

wallacei, λ only became positive in the runoff microhabitat; population growth was 

equivalent in the open and shade, and remained in decline. These results demonstrate 

a mediating influence of rainfall on microhabitat impacts, with effects that became 

substantial under wetter conditions, and manifested primarily through aboveground 

performance (seedling emergence, survivorship, and fecundity). This shift in 

importance from belowground to aboveground transitions was also reflected in 

demographic elasticities. Theoretical models have previously demonstrated a greater 

sensitivity of λ to performance aboveground than belowground in stable populations 

(Schmidt and Lawlor 1983), and empirical work has shown that relative importance 

of demographic rates can shift with environmental conditions. For example, Kalisz 

and McPeek (1992) found that adult life stages had most influence on annual 

population growth in good years, but the seed bank emergence rate was a stronger 

driver of population growth in poor years. Our results agree with this general pattern. 

Conclusions 

Shade associated with solar infrastructure affected both above and 

belowground demographic rates for two annual plant congeners. Shade suppressed 

population growth of the rare annual E. mohavense, via negative effects on 

aboveground demographic rates in good rainfall years. In contrast, population growth 
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of the common annual E. wallacei increased where plants received additional water 

from panel runoff and was unaffected by shade. These results provide clear evidence 

that novel habitat types imposed by solar infrastructure affect plant populations and 

that effects are likely to differ among species. Species responses may also be 

mediated by physical site characteristics such as soil chemistry and water retention 

(Tanner et al., 2020). Taken together, these findings should discourage the use of 

surrogate species to make management decisions when data on rare taxa are lacking – 

especially when rare and common populations are spatially disjunct.  

There is a need to reconcile rare species conservation and green energy goals, 

and our work highlights some pitfalls that can hinder effective management of rare 

plant populations in the desert southwest. First, surveys intended to reveal whether 

rare plants are present at proposed development sites must take place under 

environmental conditions that are likely to stimulate activity in dormant individuals. 

When rainfall during a critical period for plant emergence is low, the chance of 

detecting rare taxa present may decline to zero. In 2012, we were unable to find a 

single E. mohavense individual where we observed thousands of plants the previous 

year (Tanner et al., 2014). Moreover, modeling work also revealed that effects on 

individual life stage transitions do not necessarily foreshadow impacts at the 

population level. Although E. mohavense survivorship and seed output rates in the 

shade and open did not differ significantly in 2017, modeled growth in shade was 

suppressed in this important rainfall year – highlighting the need for demographic 

approaches that integrate impacts across the full life cycle. Finally, species with a 
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shared life history strategy and evolutionary history may nonetheless respond 

differently to changes imposed by solar infrastructure – and physical and climatic 

differences across sites may interact to influence this response.   
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Table 1. 
Results from linear regressions modeling effects of rainfall year and experimental 

panel microhabitat on density of (a) the rare E. mohavense on caliche soil, and (b) E. 
wallacei on gravelly soil. 

 
 

    Predictor Sum Sq. Df F-value P-value 
E. mohavense (rare) 
a)  Control Intercept 8945.12 1 506.64 < 0.001 
 vs. Shade Year 6729.94 6 63.53 < 0.001 
  

Microhabitat 60.81 1 3.44 0.066   
Year × Microhabitat 303.64 6 2.87 0.012  

  Residuals 2224.64 126 NA NA 
b)  Runoff Control Intercept 3067.28 1 123.10 < 0.001  

vs. Runoff Year 2069.43 6 13.84 < 0.001   
Microhabitat 33.14 1 1.33 0.252   
Year × Microhabitat 175.27 6 1.17 0.330 

    Residuals 1968.42 79 NA NA 
E. wallacei (common) 
c)  Control Intercept 6496.25 1 380.70 < 0.001 
 vs. Shade Year 4775.58 6 46.64 < 0.001 
 

 
Microhabitat 251.53 1 14.74 < 0.001 

 
 

Year × Microhabitat 331.99 6 3.24 0.005 
   Residuals 2150.04 126 NA NA 
d)  Runoff Control Intercept 8028.82 1 162.44 < 0.001 
 vs. Runoff Year 4806.86 6 16.21 < 0.001 
 

 
Microhabitat 2.38 1 0.05 0.827 

 
 

Year × Microhabitat 100.92 6 0.34 0.914 
    Residuals 6227.68 126 NA NA 

 
 

Anova table includes Type III P-values generated using the car package (Fox and 
Weisberg, 2011). Bold text indicates significant effects at the P ≤ 0.05 level, and 

italics indicate marginally significant effects at the P ≤ 0.10 level. 
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Table 2. 
Results from ANCOVAs modeling rainfall year and experimental microhabitat 

effects on survivorship and mean seed per plant for (a) the rare E. mohavense on 
caliche soil, and (b) E. wallacei on gravelly soil. 

 
 

    Predictor Sum Sq. Df F-value P-value 
E. mohavense (rare) 
a)  Survivorship Intercept 0.61 1 14.69 < 0.001 
  Rainfall (late) 8.27 1 200.50 < 0.001 
  Microhabitat 0.56 2 6.75 0.002 
  Rainfall × Microhabitat 0.51 2 6.14 0.004 
  Residuals 2.85 69 NA NA 
b)  

Mean seed 
per plant 

Intercept 6.08 1 2.00 0.161 
 Rainfall (late) 98.22 1 32.37 < 0.001 
 Microhabitat 40.14 2 6.61 0.002 
  Residuals 227.58 75 NA NA 

E. wallacei (common) 
c)  Survivorship Intercept 1.63 1 27.35 < 0.001 
  Rainfall (late) 4.56 1 76.47 < 0.001 
  Microhabitat 0.39 2 3.27 0.043 
   Residuals 5.36 90 NA NA 
d)  

Mean seed 
per plant 

Intercept 19.84 1 14.81 < 0.001 
 Rainfall (total) 44.16 1 32.96 < 0.001 
 Microhabitat 11.23 2 4.19 0.018 
  Residuals 146.05 109 NA NA 

 
 

Anova table includes Type III P-values generated using the car package (Fox and 
Weisberg, 2011); non-significant interactions involving the Rainfall covariate were 

dropped from models (see Methods – Data analyses for details). Bold text indicates a 
significant effect at the P ≤ 0.05 level. 



 86 

Figure 1. 
(a) Locations of the Caliche-mohavense and Gravelly-wallacei experimental arrays, 

and focal species at each array; and (b) plot experimental treatment design. Each plot 
consisted of a pair of microhabitats – either Control and Runoff Control, or Shade and 

Runoff. Experimental panels created the Shade and Runoff microhabitats, where 
light, water input, and temperature differed from ambient conditions (Tanner et al., 

2020). The bold outline on the map in (a) shows the Desert Renewable Energy 
Conservation Plan Area. Satellite imagery was acquired using Google Earth Pro 

7.3.2.5776 (September 4, 2015). Mojave Desert, California, U.S.A. 
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Figure 2. 
Rainfall (mm) accumulation from 1945 – 2018 at permanent weather stations KEDW, 

~40 km southwest of the Caliche-mohavense site (left column), and KDAG, ~8 km 
northeast of the Gravelly-wallacei site (right column). Three different rain windows 
are shown for each hydrologic year: early rain (top row), late rain (center), and total 

rain (bottom row). Each blue bar represents a single year, with years sorted by 
increasing rainfall within each rain window. Black bars indicate hydrologic years 

included in our study period. Dashed lines show the 5th, 25th, 50th, 75th, and 95th 
rainfall percentile for each rain window over the period 1945 – 2018. 
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Figure 3. 
Year and microhabitat effects on E. mohavense density on caliche soil (a, b); rainfall 
and microhabitat effects on survivorship (c, d); and rainfall and microhabitat effects 

on seed output (e, f). Empirical data are shown on the left (a, c, e), and estimated 
marginal means from models are shown on the right (b, d, f). Density estimates using 

a categorical year predictor in (b) are arranged in order of increasing rainfall. Stars 
indicate significant differences (P ≤ 0.05) among microhabitats, and daggers indicate 

marginally significant differences (P ≤ 0.10); Tukey adjustments were applied to 
microhabitat comparisons within each rainfall level for survivorship and seed output. 

Stars and daggers are color-coded to indicate which microhabitats differ. 
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Figure 4. 
Year and microhabitat effects on E. wallacei density on gravelly soil (a, b); rainfall 
and microhabitat effects on survivorship (c, d); and rainfall and microhabitat effects 

on seed output (e, f). Empirical data are shown on the left (a, c, e), and estimated 
marginal means from models are shown on the right (b, d, f). Density estimates using 

a categorical year predictor in (b) are arranged in order of increasing rainfall. Stars 
indicate significant differences (P ≤ 0.05) among microhabitats, and daggers indicate 

marginally significant differences (P ≤ 0.10); Tukey adjustments were applied to 
microhabitat comparisons within rainfall level for survivorship and seed output. Stars 

and daggers are color-coded to indicate which microhabitats differ. 
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Figure 5. 

Projections of deterministic λ using conservative seed retention rates in each year and 
microhabitat for (a) E. mohavense on caliche soil, and (b) E. wallacei on gravelly soil. 

Partitioning of model elasticity between aboveground (c, d) and belowground (e, f) 
matrix elements is shown for each species; the maximum elasticity value is 1, and 
higher values indicate greater influence on modeled λ. The dashed line indicates 

replacement rate (λ = 1), and error bars are 95% confidence intervals calculated from 
bootstrapped λ values. 
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Chapter 3 

Competition rather than facilitation drives plant performance across an abiotic 

stress gradient in a California salt marsh 

 

Abstract 

 

The Stress Gradient Hypothesis (SGH) predicts that facilitation will become 

more prevalent than competition where abiotic stress is high, and this framework has 

been applied in many systems to predict interspecific interaction outcomes. However, 

the generality of the SGH has been challenged in situations characterized by complex 

gradients and/or temporally variable climates, and tests of its ability to predict 

intraspecific interaction outcomes have been far less common. We tested for 

intraspecific facilitation in a California salt marsh, where tidal inundation and 

evaporation during Mediterranean summers create complex abiotic gradients across 

elevation. We planted Frankenia salina and Jaumea carnosa in two treatments, 

clustered closely to promote facilitation or spaced apart to limit interaction. Plantings 

spanned an elevation range across the high marsh, where we characterized the soil 

water potential gradient. We evaluated plant survival, cover, physiology, and 

susceptibility to herbivory across elevation and planting treatments. We also applied a 

seawater addition treatment to test whether altering the abiotic gradient drives a shift 

in intraspecific interactions as predicted by the SGH. We found a strong decline in 

soil water potential with elevation, suggesting that plants should experience more 
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stressful conditions upslope. However, survival and tissue water potential were 

unaffected by elevation, and after eight months Frankenia cover was actually greater 

at high elevation. At twenty months, cover of these two species showed opposite 

patterns across elevation, with Jaumea cover declining and Frankenia cover 

increasing upslope. Despite this clear difference in performance, we found consistent 

intraspecific competition rather than facilitation across the elevation gradient for both 

species, with significantly less transplant cover in clusters. However, Frankenia 

clustered plantings fared better during a period of heavy but transient rabbit 

herbivory. Competition therefore appears to be a stronger driver of plant performance 

in this system than facilitation. 

 

Introduction 

 

Steep physical gradients often drive strong patterns in species distributions, 

but biotic interactions can constrain or expand niche boundaries set by abiotic factors 

alone. For example, predator pressure can decouple prey distributions from physical 

tolerance limits (Paine, 1974; Lubchenco, 1978), competitive exclusion can relegate 

subordinate species to inferior habitat (Kruckeberg, 1954; Grace and Wetzel, 1981), 

and nurse plants can shelter species otherwise unable to tolerate abiotic conditions 

(Nobel, 1980; Callaway, 2007). Species assemblages therefore result from biotic 

interactions playing out in an abiotic context. 
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 The Stress Gradient Hypothesis (SGH) can be used to predict whether 

interaction outcomes are likely to be positive, negative, or neutral (Bertness and 

Callaway, 1994; Callaway and Walker, 1997). The SGH predicts that more positive 

interactions will occur in stressful situations, while negative interactions are more 

common under benign conditions, and this framework has gained wide empirical 

support (Bertness, 1991; Greenlee and Callaway, 1996; He et al., 2013). However, the 

framework’s generality has been challenged in arid systems (Tielbörger and Kadmon, 

2000b; Maestre et al., 2005), and the presence of more than one prominent gradient 

may drive patterns that cannot be predicted or interpreted using a single gradient of 

interest (Soliveres et al., 2011). 

Intertidal communities are ideal model systems to test the SGH because they 

have conspicuous zones created by inundation regimes, driving strong moisture, 

disturbance, and salinity gradients across elevation. These gradients can affect 

organisms directly with species distributions determined by environmental tolerance 

limits. Biotic interactions can then exacerbate or mitigate abiotic stress, with strong 

effects on species distribution and performance in intertidal habitat (Bertness, 1991; 

Silliman et al., 2005). For example, the distribution of salt marsh plants has been 

attributed to soil salinity or oxygenation (Mahall and Park, 1976; Bertness et al., 

1992; Davy et al., 2011), plant-plant interaction dynamics (Callaway and Pennings, 

2000), consumer pressure (Daleo et al., 2014; He and Silliman, 2016), or a 

combination of these drivers (Crain, 2008; Daleo and Iribarne, 2009). 
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The SGH has often been used to study interspecific interaction patterns along 

abiotic gradients, but relatively few studies have tested for shifts in intraspecific 

interactions (but see Bertness and Yeh 1994, Chu et al. 2008, Goldenheim et al. 

2008). Both theoretical and empirical work show that conspecific aggregations can 

promote persistence of weaker competitors and maintenance of biodiversity in a 

system (Buss, 1981; Silvertown et al., 1992; Stoll and Prati, 2001), and certain types 

of habitat amelioration (e.g. temperature buffering, reduced evaporation) should be 

features of monospecific as well as heterospecific aggregations. In central 

California’s high marsh, natives tend to occur in monospecific patches within a dense 

Salicornia pacifica matrix, but the role of intraspecific interactions in driving and 

maintaining species distribution in these communities has not been explored. This 

system also provides an opportunity to test the SGH at mid-latitude; Keammerer and 

Hacker (2013) found neutral or negative plant interactions in an Oregon estuary, 

while O’Brien and Zedler (2006) found that neighbors promoted survival in an arid 

southern California marsh. Herbivores are also known to exert strong if sporadic 

impacts in central California high marsh (Fresquez, 2014), allowing us to test whether 

shifts in plant interactions are mediated by consumer pressure. Testing predictions of 

the SGH in this system could yield important insight into intraspecific interactions 

along abiotic and herbivory gradients. Moreover, findings could inform development 

of restoration strategies promoting diversity and potentially improving ecosystem 

function (Engelhardt and Ritchie, 2002; Hooper et al., 2005).  
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We asked whether the predictions of the SGH apply to intraspecific 

interactions in the presence of multiple abiotic gradients, and whether these 

interactions can be leveraged to improve restoration outcomes. We examined 

performance of Frankenia salina and Jaumea carnosa planted in tight and loose 

neighbor treatments at a restored tidal marsh in Monterey County, California, where 

tidal inundation and evaporation during Mediterranean summer create complex 

drought and salinity gradients across elevation (Fresquez, 2014). We compared soil 

water potential, plant survival, percent cover, and tissue water potential in tight and 

loose planting patterns, to determine whether plant interactions switch from 

competition to facilitation at the stressful end of gradients. Because there is evidence 

to suggest that desiccation is the dominant stressor in Mediterranean systems 

(Callaway et al., 2002; Cavieres et al., 2006), we tested whether a seawater addition 

treatment altered the nature of intraspecific interactions as predicted by the SGH. We 

expected to find declining soil water potential across elevation, with the most 

negative values in bare soil and less negative values under plant canopies, and least 

negative values under plants receiving seawater addition treatments. Accordingly, we 

expected greater drought stress at high elevation in both planting patterns, with 

seawater addition or close neighbors mitigating that stress. We also compared rabbit 

herbivory across planting patterns to determine whether neighbors protect against 

consumer pressure. Finally, we used greenhouse watering treatments to assess relative 

sensitivity of each species to drought versus salinity stress under controlled 

conditions. Specifically, we asked: (1) How does soil water potential vary across 
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elevation in the field, and how do plants respond to this gradient? (2) Does seawater 

addition alter soil water potential, and does it drive a shift in plant response? Do 

seawater treatments have similar effects in the field and in the greenhouse? (3) Do 

close neighbors mitigate abiotic stress, leading to intraspecific facilitation at the 

stressful end of an abiotic gradient as predicted by the SGH? (4) Do consumers 

respond to neighbor treatments across the elevation gradient, and do neighbors buffer 

herbivore impacts as predicted by the SGH?  

 

Methods 

 

Field site 

Elkhorn Slough supports the largest salt marsh in California south of San 

Francisco Bay (Schwartz et al., 1986). Whistlestop Marsh is ~ 6 km upstream from 

the mouth of the estuary and was historically a densely vegetated salt marsh with 

narrow tidal creeks connecting it to the Parsons Slough. It was partially diked by a 

railroad levee in the late 1800s, and then completely diked and drained in the 1950s. 

Tidal exchange was restored to the Parsons Slough in 1980, but Whistlestop Marsh 

remained separated by a levee. Small culverts through the levee allowed for limited 

tidal exchange (maximum tidal range ~0.5 m, versus 2.5 m in Parsons Slough and 

other fully tidal portions of the estuary). Full tidal exchange was restored to 

Whistlestop Marsh when a large box culvert was installed in 2014. Due to subsidence 

during the diked years, habitat within Whistlestop Marsh now comprises 1.2 hectares 
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of subtidal and intertidal mudflats and a narrow border of salt marsh habitat 

dominated by Salicornia pacifica (no Spartina is present in Monterey Bay). 

Following the restoration of full tidal exchange in 2014, upland weeds (e.g. Brassica 

nigra, Helminthotheca echioides, Silybum marianum) retreated above the new king 

tide line, leaving behind a “bathtub ring” of bare space between monospecific stands 

of Salicornia pacifica at low elevation and the upland. Native recruitment into this 

zone was slow, with bare patches persisting into winter 2016, and natives common 

elsewhere in the watershed remaining at very low abundance. Frankenia salina and 

Jaumea carnosa can contribute ~25% of high marsh cover at sites with natural tidal 

regimes (Wasson and Woolfolk, 2011), but these perennials are much less common at 

restored sites and remained almost totally absent from Whistlestop Marsh. 

Recruitment from seed tends to be low for these species and spread is primarily 

through clonal propagation (Zedler et al., 2001; Lindig-Cisneros and Zedler, 2002). 

To facilitate site access from the upland side, we used a tractor mower to clear 

standing biomass in a 1.8 m strip above the high marsh in fall 2016. After mowing we 

used light rakes to clear debris, thatch, and algal wrack from plots. We sprayed 

emerging exotic annuals with a 1.4% solution of AquaMaster herbicide (Monsanto 

Company, St. Louis, Missouri, USA) at a rate of 9.4 liters/hectare in December 2016. 

We used a tractor and boom sprayer to treat the 1.8 m upland strip, and a backpack 

sprayer in the high marsh – upland transition to avoid spraying native species. We 

used a backpack sprayer for additional spot control in February 2017, using 

AquaMaster at a rate of 3.5 liters/hectare.  
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Overview of planting experiment 

In the Mediterranean dry season tidal action and evaporation create complex 

moisture and salinity gradients across the high marsh at Elkhorn Slough (Appendix 3: 

Figure S1, Fresquez, 2014). We sought to characterize how these gradients change 

with elevation in the high marsh and examine whether shifting conditions affect plant 

interaction outcomes. We planted Frankenia and Jaumea in monospecific plots 

spanning the “bathtub ring” of bare soil at Whistlestop Marsh, comparing plant 

performance in tight versus loose neighbor planting treatments. We used a 

randomized block design. Ninety-one 2 × 2 m plots were chosen around the marsh in 

fall 2016, placed non-randomly to (1) avoid long-term monitoring transects and 

freshwater swales, and (2) use available bare space across the typical high marsh 

elevation range (1.6 – 2.2 m NAVD 88, Wasson et al., 2013). Plots occurred in five 

discrete blocks (each containing 13 – 26 plots); soil texture and the elevation range 

spanned by plots varied across blocks. To maintain neighbor treatments and focus on 

the effects of intraspecific interactions, we caged all plants and weeded natural 

recruits from plots for the first thirty-two weeks of the experiment. Twenty-two 

weeks into the experiment (August 2017), we began a twelve-week seawater addition 

treatment to test whether reducing moisture stress would shift facilitative interactions 

to competitive ones.  

 

Plant propagation 
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Cuttings of the native woody subshrub Frankenia salina ((Molina) I.M. Johnst 

– Frankeniaceae) and the succulent perennial Jaumea carnosa ((Less.) A. Gray – 

Asteraceae) were collected from three sites less than five km from Whistlestop 

Marsh. We sampled at least 25 individuals per species, and stems were transported to 

the greenhouses at University of California, Santa Cruz on the same day. Stems were 

trimmed to ~6 cm and inserted into shallow plastic trays filled with a 1:4 mix of 

vermiculite and perlite; cut ends of Frankenia were treated with rooting hormone 

(Bontone 925, Bonide Products Inc., Oriskany, New York, USA). Cuttings were 

allowed to root on a heated pad in a shaded outdoor area before transfer to 107 mL 

conetainers (model SC7, Steuwe & Sons, Inc., Tangent, Oregon, USA) filled with 

potting soil (ProMix Hp, Premiere Tech Horticultural, Quakertown, Pennsylvania, 

USA). Frankenia mortality was high in the greenhouse, so we purchased additional 

stock grown in 2” rose pots from Elkhorn Native Plant Nursery (Moss Landing, 

California, USA; now defunct).  

Plants used in greenhouse experiments were grown from seed collected in the 

Elkhorn estuary in 2016; seeds were sown into conetainers filled with potting soil as 

described above in spring 2017. Seedlings were maintained under automatic 

sprinklers in a greenhouse at the University of California, Santa Cruz until 

experiments were initiated.  

 

Plot installation 
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Plots were assigned to planting treatments (Frankenia Loose, Frankenia 

Tight, Jaumea Loose, Jaumea Tight; Figure 1) in a stratified random manner across 

blocks. Frankenia (n = 235) and Jaumea (n = 220) seedlings were transplanted 

between February 25 – March 2, 2017. Each plot was planted with a monospecific 

grouping of 5 individuals arranged in a quincunx, with a “focal plant” at its center. 

Neighbors were planted 50 cm apart in Loose plots, and 10 cm apart in Tight plots. 

We used a dibbler or a plug corer to create uniform holes appropriate for each stock 

type and inserted plants with crowns level to the soil surface. Rainfall before and after 

planting maintained the soil near field capacity, so no watering was necessary. A 

single Frankenia plant that died from burrowing disturbance between February and 

May was replaced; mortality after that date was assumed to occur from causes other 

than transplant failure. Where bare space allowed in each block, we established 

additional 1 × 1 m unplanted control plots (n = 24 total) interspersed among the 

planted plots to track natural Salicornia recruitment. 

We used a Sprinter 150 digital level (Leica Geosystems AG, Norcross, 

Georgia, USA) to measure elevations of each focal plant relative to a USGS certified 

benchmark. Elevations ranged from 1.72 m to 2.20 m NAVD 88, with a mean 

elevation of 1.99 m. These are high marsh elevations in Elkhorn Slough, where Mean 

Higher High Water is ~1.75 m, inundated about 4% of the time; 1.7 m is inundated 

about 7% of the time, and 2.2 m is inundated < 1% of the time (Van Dyke, 2012, 

Elkhorn Slough Reserve unpublished data). Because small mammal herbivory can be 

heavy in the Elkhorn Slough (Fresquez, 2014), we caged all plants with 0.64 cm 
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hardware cloth cylinders held down with 15.3 cm garden staples. We replaced the 

original cages with larger cages constructed from 1.3 cm hardware cloth as needed to 

accommodate plant growth and removed all cages in October 2017. Between planting 

and cage removal, we pulled small seedlings and cut back aboveground growth 

originating from outside the plot boundaries at both planted and unplanted control 

plots. Preventing natural recruitment during this period allowed us to isolate neighbor 

effects in planted plots and maintain bare space in both plot types to track naturally 

recruiting species between fall 2017 and fall 2018. We used a lightweight rake as 

needed to remove wrack cover from plot surfaces and removed algal debris from 

plant cages by hand. 

 

Seawater addition treatment 

We added seawater to manipulate moisture and salinity gradients in half of the 

planted plots after twenty-two weeks of growth. Seawater addition treatments were 

applied weekly from August 3 – November 3, 2017, near the end of Mediterranean 

summer when soils should be driest. Plots were randomly assigned to control or 

seawater addition in a stratified manner, taking elevation, planting pattern, and block 

into consideration. In the first treatment we used watering cans to apply 30.2 liters of 

water drawn directly from the estuary. In subsequent weekly treatments, we reduced 

this quantity to 18.9 liters, administered through two 0.635 cm diameter irrigation 

tubes attached to the base of buckets. We zip-tied strips of cotton fabric to tube ends 

to slow the flow rate and minimize runoff, but runoff could not be avoided in 
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saturated plots recently inundated by tides. Seawater addition treatments were not 

applied during the week of October 15th (see Soil core collection below). 

 

Soil water potential 

To characterize soil water potential after thirty-two weeks of growth including 

ten weeks of seawater treatment, we collected two soil cores in each watered and 

unwatered plot (n = 182 cores in total). We used a 10-cm metal sleeve to collect cores 

during a low tide series on October 15, 2017. We took one core ~5 cm under the focal 

plant canopy in each plot, and a second core in bare soil ~20 cm from the canopy. We 

used a drill and auger bit to remove hard soil from the sleeve, rapidly transferring 

each sample to a 50 mL Falcon centrifuge tube with a screw-top lid (Corning, 

Tewksbury, Massachusetts, USA). Falcon tubes were sealed in Ziploc bags and 

immediately placed in a cooler. Samples were transferred to a refrigerator at UCSC 

the same day. Necessary instrument repairs delayed processing of soil samples, so we 

recorded tube weights within nine days of collection and re-weighed 104 tubes (out of 

182 total) in late January 2018 to assess moisture loss prior to processing. Tube 

weight had changed by less than half a percent for all but one replicate (which we 

dropped from the data set), indicating minimal loss of moisture during storage. All 

soil samples were processed between January 25 and February 7, 2018. 

  Water potential of soil samples was measured using a WP4 Dewpoint 

Potentiameter (Meter Group, Inc., Pullman, Washington, USA) at ambient laboratory 

temperature (~24ºC). We used a water activity standard (0.984 aw KCl 0.50 mol kg-1 
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in H2O, Meter Group, Inc., Pullman, Washington, USA) to calibrate the instrument 

before each sampling run. We shook Falcon tubes vigorously to homogenize soil and 

carefully transferred ~2.5 mL of soil into a 15 mL cup; after transfer we checked that 

samples remained below the maximum fill line, wiped cup rims with Kimwipes 

(Kimberly-Clark, Roswell, Georgia, USA) to avoid contaminating instrument sensors, 

and sealed cups with a lid. Refrigerated samples that were sealed into cups were 

allowed to equilibrate on the laboratory bench adjacent to the WP4 for at least 45 

minutes before processing. Sample cups that could not be processed within 3 hours 

were wrapped in Parafilm “M” (Bemis Company, Inc., Oshkosh, Wisconsin, USA) 

per the instrument protocol. 

 

Plant tissue water potential 

We collected plant stems (n = 91) to characterize tissue water potential after 

thirty-two weeks of growth including ten weeks of seawater treatment. Stems were 

randomly selected high on focal plant canopies to avoid wrack and silt deposits. In 

the few cases where focal plants were dead or missing, we randomly selected one of 

the remaining plants to sample. Stems were immediately sealed into individual 50 mL 

Falcon tubes and stored inside Ziploc bags in a cooler. Samples were transferred to a 

refrigerator the same day. 

We used the WP4 Dewpoint Potentiameter to measure plant tissue water 

potential. Plant stems and leaves were cut into 0.5 – 1.0 cm lengths before processing, 

and refrigerated samples transferred to 15 mL sample cups were allowed to 
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equilibrate on the bench at ambient laboratory temperature for at least 45 minutes 

before processing. Samples were processed in stratified random order by block for 

each species to avoid biases related to time of collection or length of storage time, and 

all samples were processed within 5 days of collection. 

We collected additional Frankenia and Jaumea stems in fall 2019 within 3 km 

of Whistlestop Marsh to test correlations between water potential measurements 

acquired from a WP4 Dewpoint Potentiameter and a Scholander pressure chamber. 

We haphazardly selected two stems on the top of each plant canopy (n = 12 plants per 

species), encasing one stem in an aluminum foil envelope to block sunlight. After 

allowing encased stems to equilibrate in the dark for at least 15 minutes, stem pairs 

were harvested and sealed into a Ziploc bag (stems inside foil envelopes) or a screw-

top Falcon tube (bare stems). All stems were harvested and stored in a cooler within 1 

hour. Encased stems were processed the same day using a Scholander pressure 

chamber. Stems were removed from foil envelopes and inserted into the chamber, and 

the pressure required to push water from the cut end of stems was recorded. We were 

only able to acquire eight measurements for Frankenia and nine for Jaumea; three 

stems snapped during pressurization, and the pressure between the nitrogen tank and 

chamber equalized before water was forced from the stem for another four samples 

(see Appendix – Tissue water potential for more details). The paired stems were 

processed using the WP4 Dewpoint Potentiameter as described above within 30 hours 

of collection. 
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Plant growth, survival, and percent cover 

Plant growth and survival measurements were collected for focal plants in 

each plot. These individuals were surrounded by neighbors and thus most strongly 

affected by planting treatment effects. Percent cover data were collected at the plot 

level and measured collective cover of all individuals present.  

Plant growth. – After twenty-two weeks of growth inside cages we counted 

all leading and lateral stems (apical meristems) at least 1 cm in length on plants as a 

proxy for biomass. Because plants received only a single watering treatment prior to 

stem counts, we assume that seawater addition had negligible effects on measured 

growth. We divided plant canopies into quadrants and randomly selected one 

quadrant for stem counts, multiplying these estimates by 4 to generate per capita 

counts for each plant. In the few cases where clustered plants could no longer be 

disentangled from each other, we counted stems across one quadrant of the entire 

cluster, divided by the total individuals present (usually 5), and then multiplied by 4 

to generate per capita counts. Stems inadvertently broken off plants when replacing 

cages or during earlier surveys were tracked and included in totals. 

Plant survival. – We assessed transplant survival after thirty-six weeks of 

growth including twelve weeks of seawater treatments, scoring plants with green 

aboveground tissue as alive.  

Percent cover. – Percent cover data at planted plots were collected 

approximately quarterly from November 2017 to January 2019. One “upper” and one 

“lower” quadrant were randomly selected inside each 2 × 2 m plot, and a 1 m2 
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sampling frame with a 36-point grid was centered over these quadrants on each 

survey. We dropped a pin at each grid point and recorded the identity of all species 

encountered. Percent cover for each species was calculated at the plot level by 

combining hits in both quadrants and dividing by the total points surveyed (72). We 

also used the 36-point grid to survey Salicornia cover in unplanted 1 m2 control plots.  

Percent cover analyses focused on different sampling periods as needed for 

different questions. To test for the effects of neighbor treatments and seawater 

addition on Frankenia and Jaumea cover (all other species were weeded from plots 

leading up to this survey), we used percent cover data collected after thirty-seven 

weeks of growth (November 2017). To test for treatment effects on Frankenia loss to 

herbivory we calculated percent change in cover between November 2017 and 

January 2018. Losses in cover during this period were clearly driven by herbivory, 

with many clipped stems observed on affected plants; in some cases entire plots were 

denuded, with stems clipped off at the ground (Appendix 3: Figure S2). To test for 

treatment effects on final percent cover of Frankenia, Jaumea, and Salicornia, we 

used percent cover data collected eighty-four weeks after planting (October 2018), the 

survey when perennial cover was highest during the second year. For naturally 

recruiting exotic annual species, we identified the survey period of maximum cover 

for each species. Maximum cover occurred after fifty-nine weeks of growth (April 

2018) for Brassica nigra, Bromus diandrus, Festuca perennis, Helminthotheca 

echioides, Lysimachia arvensis, Polypogon monspeliensis, Raphanus sp., and Silybum 

marianum; and after sixty-nine weeks of growth (June 2018) for Atriplex prostrata. 
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We calculated cumulative exotic annual cover by adding values from the selected 

period for each species.  

 

Greenhouse moisture and salinity experiments 

 We used pilot experiments to identify watering treatments that impose drought 

and non-drought conditions in the greenhouse (Berman, 2018). Both groups were 

watered twice a week with pipets; the non-drought treatment received 20 ml both 

times, and the drought treatment alternated between 15 ml and 10 ml. We varied 

salinity and volume in a full factorial design, using 100% freshwater, 60% seawater 

(a 2:3 mix of freshwater and seawater), or 100% seawater (provided by a flow-

through seawater system at the UCSC Coastal Science Campus). 

Before watering experiments began, we transplanted bare-root Frankenia and 

Jaumea greenhouse stock into 107 mL conetainers (model SC7, Steuwe & Sons, Inc., 

Tangent, Oregon, USA) of field soil collected just above the marsh in the Elkhorn 

estuary. We also filled 60 conetainers with field soil to make “soil blanks” for 

measuring soil water potential. Conetainers with plants and soil were placed under 

automatic sprinklers, and field soil was added as needed to replace losses from the 

bottom of conetainers. After ~3 months we chose plants of similar size (n = 60 per 

species) and randomly assigned plants and soil blanks (n = 60) to a watering 

treatment (n = 10 plants of each species and n = 10 soil blanks per treatment). 

Watering treatments were initiated on March 11, 2017. The number and length of 

stems (apical meristems) present on each plant was recorded at the beginning of the 
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experiment, with additional surveys on April 28, July 27, and September 22, 2017 

(see Appendix 3 – Greenhouse experiments for more details). Frankenia and Jaumea 

were harvested on September 23 – 24 and tissue water potential was measured using 

the WP4 Dewpoint Potentiameter as described above. Watering treatments were 

maintained for soil blanks until soil water potential was measured on October 4 – 5. 

  

Data analyses 

All analyses were conducted in R version 3.6.3 (R Core Team, 2020). We 

built linear mixed models using the lme4 package (Bates et al., 2015) or generalized 

linear models (GLMs) in base R as appropriate for each data set. Full models 

included all possible interactions of main effects, and we used the Anova function 

from the car package (Fox and Weisberg, 2011) to generate Type III P-values (we 

chose the Type III approach to accommodate unbalanced data). In models including 

Elevation as a covariate, we removed non-significant interactions to avoid 

compromising the calculation of Type III sum of squares, reporting results using the 

reduced model. Except where specified, data sets met the assumptions of normality 

and homogeneity of variance (verified with Shapiro-Wilk and Levene’s tests). We 

examined model residual and quantile-quantile plots to confirm the suitability of a 

linear approach and checked for increasing variance in model residuals with greater 

fitted values; unless otherwise stated, model diagnostics were satisfactory. We used 

the plyr package (Wickham, 2011) to summarize data and the emmeans package 

(Lenth, 2019) to conduct post-hoc tests on estimated marginal means from models.  



 109 

To test for shifts in soil water potential across elevation and treatment we 

applied a linear mixed effects model to combined data sets from Frankenia and 

Jaumea plots. Soil water potential data violated assumptions of normality and 

homogeneity of variance, so we took the natural log of the absolute value of water 

potential (soil water potential values are by definition < 0). Transformed data passed 

Levene’s tests and the quantile plot looked approximately normal. We included 

Elevation, Canopy (under-canopy vs. bare soil in each plot), Pattern (Tight vs. 

Loose), Seawater treatment, and the four-way interaction 

Elevation*Canopy*Pattern*Seawater as fixed effects in the full model, with Plot 

nested inside Block as a random effect (two soil cores were collected in each plot). 

The reduced model included only Elevation*Seawater, Canopy, and Pattern as fixed 

effects. For plant tissue water potential, we built separate models for Frankenia and 

Jaumea. One extreme outlier (~270% the magnitude of the next closest value) was 

considered an observation error and discarded prior to analysis of Jaumea tissue 

water potential. Reduced linear mixed models evaluating tissue water potential 

included Elevation and Pattern*Seawater as fixed effects and Block as a random 

effect. For each species, we also correlated plant tissue water potential obtained via 

the WP4 Dewpoint Potentiameter and a Scholander pressure chamber using Pearson’s 

rank correlation coefficients from the Hmisc package (Harrell et al., 2019). We tested 

for differences in tissue water potential measurements obtained from these two 

instruments using a linear mixed effects model with Instrument, Species, and 
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Instrument*Species as fixed effects, and Plant as a random effect to account for 

paired stems collected from the same individual. 

We did not statistically test for treatment effects on field survival, because 

fewer than 2% of individuals died (three Frankenia and five Jaumea individuals out 

of 447 total plants).  

We evaluated per capita stem counts for focal plants at twenty-two weeks 

using separate linear models for each species. Models included Elevation, Pattern, 

and their interaction as fixed effects and Block as a random effect. We retained the 

full model for Frankenia but dropped the non-significant Elevation*Pattern 

interaction from the Jaumea model. 

Percent cover at thirty-seven weeks was intended to isolate the effects of 

intraspecific interactions, without herbivory; however, nine Frankenia plots showed 

clear early signs of animal disturbance and so were dropped prior to this analysis. 

Data sets did not meet the assumption of homogeneity of variance for either species; 

Jaumea data also deviated from normality. We applied arcsine-square root 

transformations to both data sets but transformed Jaumea data still did not pass the 

Shapiro-Wilk or Levene’s test. Full models for each species included Elevation, 

Pattern, Seawater, and the three-way interaction as fixed effects, with Block as a 

random effect. We retained the full model for Frankenia but used a reduced model 

for Jaumea including only Elevation and Pattern*Seawater as fixed effects. The 

Jaumea model residual plot showed a pattern of increasing residual variance with 

greater fitted values so P-values should be regarded as approximate. 
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Percent change in cover from November 2017 – January 2018 (a period of 

heavy Frankenia herbivory) was analyzed with models including Elevation, Pattern, 

Seawater and the three-way interaction as fixed effects, with Block as a random 

effect. We retained the full model for Frankenia but used a reduced model for 

Jaumea with Elevation and Pattern*Seawater as fixed effects. This same model 

structure was used for analyses of final cover in October 2018, applied to 

untransformed Frankenia data and arcsine-square root transformed Jaumea data (the 

Jaumea transformation was applied to improve homogeneity of variance across 

planting treatments, but the ratio of variance between treatment groups remained 

above 2 so P-values should be regarded as approximate). 

Colonization by Salicornia after cessation of weeding and watering in field 

plots was evaluated using a reduced linear mixed model including Elevation*Pattern 

and Pattern*Plot type (planted with Frankenia vs. Jaumea) as fixed effects and Block 

as a random effect.  

We evaluated exotic annual colonization using a quasibinomial GLM with a 

logit link function. Data were zero-enriched and strongly non-normal, so we dropped 

plots with zero annual cover to facilitate analysis; however, even a quasibinomial 

approach could not eliminate overdispersion, so P-values should be regarded as 

approximate. The full model included Elevation, Pattern, Plot type (planted with 

Frankenia or Jaumea), and the three-way interaction. Block was not included as a 

random effect because quasibinomial families are not supported for glmer in the lme4 

package (Bates et al., 2015). After dropping non-significant interactions involving the 
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Elevation covariate, the reduced model only included Elevation and Pattern*Plot type 

as fixed effects. 

Greenhouse soil water potential data could not be coerced to meet 

assumptions of normality and homogeneity of variance using a natural log 

transformation, so we took the square root of absolute water potential values and 

multiplied results by -1 prior to analysis. Transformed data met the assumptions of 

homogeneity of variance and an approximately normal distribution. We successfully 

applied the same transformation to Frankenia tissue water potential data, but 

transformed Jaumea data still violated assumptions of homogeneity of variance and 

normality. We evaluated soil and tissue water potential using linear models with 

Drought, Salinity, and the two-way interaction as fixed effects. The model residual 

plot for Jaumea tissue water potential showed a trend for increasing variance with 

larger fitted values, so P-values should be regarded as approximate.  

We applied a square root transformation to Frankenia greenhouse growth data 

to achieve normality and homogeneity of variance, but we used raw Jaumea growth 

data because transformations (square root, natural log) compromised normality and 

did not coerce homogeneity of variance. We also dropped one Jaumea outlier that 

was 328% of the mean. Growth models included Drought, Salinity, Survey (March, 

April, July, or September) and the three-way interaction as fixed effects, with Plant as 

a random effect to account for repeated measures on each individual.  

We evaluated Jaumea greenhouse survival at the end of the experiment using 

a binomial GLM with Drought, Salinity, and their interaction as main effects (no 
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Frankenia died during the experiment). Model residual deviance was lower than 

residual degrees of freedom, indicating no overdispersion was present.   

 

Results 

Soil water potential  

Soil water potential became more negative with increasing elevation in the 

high marsh (Table 1a, Figure 2), suggesting that plant stress should increase upslope. 

Soils in the open experienced water potentials that were significantly more negative 

than soils collected under Frankenia and Jaumea canopies (mean -24.8 MPa in the 

open versus -10.7 MPa in shade, averaged across watering treatments). Seawater 

addition slowed the decline in soil water potential with elevation in shade, leading to 

significant Elevation*Seawater and Seawater*Canopy effects (Table 1a). Exposed 

soils closest to the upland that received seawater treatment had the most negative 

water potentials.  

 

Focal plant tissue water potential  

Few strong patterns emerge from data on plant tissue water potential as 

measured using the WP4 Dewpoint Potentiameter (Table 1b, c). Tissue water 

potential did not change across elevation for Frankenia or Jaumea (Figure 3a, b; see 

Appendix 3 – Tissue water potential for more details). For Frankenia, tissue water 

potential was marginally less negative in the Tight plantings (Appendix 3: Figure S3), 

but in Jaumea, planting pattern did not affect water potential (Figure 3b). Finally, 
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seawater addition led to more negative water potential in Jaumea but no change in 

Frankenia (Figure 3a, b; Table 1b, c). 

Tissue water potential measured with the WP4 Dewpoint Potentiameter was 

significantly more negative than stem water potential measured with the Scholander 

pressure chamber for Frankenia only (Appendix 3: Figure S4a, Table S1). Moreover, 

for this species there was no significant correlation between tissue water potential 

assessed by the WP4 and stem water potential assessed by the pressure chamber (R2 = 

-0.455, P = 0.256; Appendix 3: Figure S4b). In contrast, the two methods were 

strongly correlated in Jaumea (R2 = 0.76, P = 0.017; Appendix 3: Figure S4c).  

 

Focal plant stem counts 

 Average stem counts increased nearly 8,000-fold for Frankenia and nearly 

3,000-fold for Jaumea in the first twenty-two weeks of the experiment, while plants 

were still caged. Focal plants had significantly more stems in Loose plots for both 

species (Figure 4, Table 1d, e). Frankenia stem counts were affected by a significant 

Elevation*Pattern interaction, with stem counts increasing with elevation in Loose 

but not Tight plots (Table 1d). In contrast, elevation had no effect on Jaumea stem 

counts (Table 1e). 

 

Transplant survival  

Transplant survival was ≥ 94% for both species (Figure 3c, d) thirty-six weeks 

after planting (including twelve weeks of seawater addition). Three Frankenia and 
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five Jaumea seedlings died out of 447 total individuals, and all deaths occurred in 

unwatered plots. 

 

Percent cover across different periods of the experiment 

Assessment at the end of the caged and watering period. – After thirty-seven 

weeks the total Frankenia cover (focal + non-focal plants) increased with elevation 

while Jaumea cover was unaffected by elevation (Figure 3e, f; Table 1f, g). The 

Loose planting pattern resulted in strongly and significantly greater cover than the 

Tight planting pattern for Jaumea, indicating negative rather than positive density 

dependence (Table 1g). For Frankenia, a significant Pattern*Seawater interaction 

reveals that watering was advantageous in Tight plots compared to Loose plots (Table 

1f, Figure 3e). A significant three-way interaction between Elevation, Pattern, and 

Seawater reflects that the benefit of loose planting was fairly consistent across the 

elevation range in the case of the watered plants, while the benefit of loose planting 

was stronger at the high end than the low end for unwatered plots.  

Assessment after a period of strong herbivory. – Cages were removed at 

thirty-two weeks, and Frankenia experienced heavy rabbit herbivory from late 

November through January 2018 (Appendix 3: Figure S2a, b). Frankenia percent 

cover losses were significantly higher in Loose plots, and those losses increased with 

Elevation (Table 2a). Despite greater cover losses in Frankenia Loose plots (Figure 

5a), we observed similar numbers of clipped stems on focal plants in both planting 

patterns (Appendix 3: Figure S2d). Herbivores appeared to ignore Jaumea and 
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percent cover increased slightly from November to January (Figure 5b), with plants 

growing more in unwatered plots (Table 2b; Appendix 3: Table S2).   

Final cover assessments. – By the end of the study Seawater additions 

(applied the previous fall) no longer had an effect on Frankenia or Jaumea cover 

(Table 3a, b). Final Frankenia cover increased with Elevation while Jaumea cover 

decreased, but cover of both species was significantly higher in Loose plots (Figure 

6a, b; Table 3a, b). 

Cover of naturally colonizing species was also assessed in the final year of the 

experiment. Salicornia cover declined with Elevation in Frankenia plots regardless of 

planting pattern (Figure 7a), while Elevation effects on Salicornia cover depended on 

planting pattern in Jaumea plots (Figure 7b, Table 3c). Salicornia cover was 

significantly higher in Jaumea plots (Appendix 3: Figure S5a), where it tended to 

occupy more space in Tight than in Loose plots (Figure 7b).  

Cover of naturally colonizing exotic annual species increased with elevation 

and was marginally significantly higher in Tight plantings (Appendix 3: Table S3, 

Figure 7c, d), likely related to lower transplant cover in 2 × 2 m2 plots for Tight 

versus Loose plantings. 

 

Greenhouse experiments 

In the greenhouse experiment, both salinity and drought had significant effects 

on soil water potential, but salinity effects were much stronger (Appendix 3: Table 

S4a, Figure S6). Tissue water potential was significantly affected by salinity, but not 
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by drought (Appendix 3: Table S4b, c). The effect of salinity on tissue water potential 

was stronger in Frankenia than Jaumea (Appendix 3: Figure S6). 

 Watering treatments had no effect on Frankenia survival (Appendix 3: Figure 

S7a), but Jaumea survival was significantly lower in the 100% seawater treatment 

(Appendix 3: Table S5, Figure S7b). We found little evidence for watering treatment 

effects on Frankenia size; plants in the non-drought 60% seawater treatment were 

significantly larger than 0% seawater plants in March when treatments were initiated 

(Appendix 3: Table S6a, Figure S7c), and this difference disappeared over time, so it 

cannot be considered a treatment effect. In contrast, Jaumea growth was affected by 

Salinity, with average plant size in the 100% seawater treatment significantly smaller 

at the end of the experiment in both the drought and non-drought groups (Appendix 3: 

Table S6b, Figure S7d). 

 

Discussion 

 

Overall, we detected a strong physical gradient and clear differences in plant 

response across elevation and planting treatments, but the patterns we found were 

unexpected. A strong gradient in soil water potential with increasing elevation 

suggested that abiotic conditions should be more stressful upslope. However, the 

effects of this “stress gradient” varied for two species considered high marsh 

specialists in the Elkhorn estuary. In the first year Jaumea was unaffected by 

elevation while Frankenia cover increased upslope, contrary to expectations, and low 
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mortality rates suggested that growing conditions were not stressful. We found 

strong, opposing effects of elevation on transplant cover in the second year, with 

Jaumea cover declining and Frankenia cover increasing upslope, suggesting that for 

these two species relevant stress gradients are reversed. Cover was higher in Loose 

plots for both species across the entire gradient, indicating consistent intraspecific 

competition rather than facilitation. However, Frankenia planted in the Tight pattern 

fared better during periods of active herbivory. Negative biological drivers 

(competition, herbivory) thus appear to be stronger drivers of plant performance in 

this system than positive interactions or physical factors, at least during non-drought 

years.  

 

Characterizing abiotic stressors and gradients in the high marsh 

In order to test the Stress Gradient Hypothesis we need to understand the 

nature of stress and how stress changes across physical gradients present. This has 

been a particularly rich conversation in the literature on coastal systems, which have 

played an important role in the development of ecological theory on stress gradients 

(Bertness and Callaway, 1994; Bertness and Hacker, 1994). The SGH framework has 

successfully predicted interaction outcomes in many systems (Greenlee and 

Callaway, 1996; Cavieres et al., 2006; Fajardo and McIntire, 2011), but it becomes 

more difficult to apply where physical gradients oppose each other or exhibit strong 

temporal or seasonal dynamics (Tielbörger and Kadmon, 2000a; Maestre et al., 2005; 
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Soliveres et al., 2011). Against a background of shifting conditions, it can be 

challenging to identify the dominant stressor and the location of maximum stress. 

         On the California coast, moisture and salinity gradients can oppose each other 

across elevation and strengthen during Mediterranean summer. Marsh soils can 

become more saline than seawater even at low elevation, with salt loads increasing 

where inundation is rare (Mahall and Park, 1976; Callaway et al., 1990; Fresquez, 

2014). Work in other salt marsh systems has shown that evaporation rates are highest 

in bare soil, and that watering treatments can slow moisture loss and concentration of 

salts (Bertness, 1991; Shumway and Bertness, 1992; Crain, 2008). We therefore 

expected to find a decline in soil water potential with elevation, and for canopy cover 

and seawater addition to mitigate this decline. Soil water potentials did drop sharply 

with increasing elevation and were much more negative than seawater on average. 

We expected this decline in soil water potential to increase drought stress for plants, 

reducing tissue water potential and cover at higher elevation. However, we did not 

find these patterns. Tissue water potential was not affected by elevation for either 

species. Jaumea cover did not change across elevation, while Frankenia cover 

actually improved upslope. These divergent patterns may be related to different salt 

tolerance strategies. In Jaumea, salt regulation is not well understood but does not 

involve salt excretion, and salt accumulation can differ across tissue types (St. Omer 

and Schlesinger, 1980a; b; Flowers and Colmer, 2015). Frankenia uses salt glands to 

eliminate excess salt from tissues, and salt crystals were often clearly visible on leaf 

surfaces in the field and greenhouse (Campbell and Thomson 1976; Appendix 3 – 
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Greenhouse experiments). We suspect these salt crystals are responsible for the 

wildly variable Frankenia tissue water potential measurements that were not 

correlated with either elevation or stem water potential measured using a pressure 

chamber. 

         In the greenhouse, increasingly saline watering treatments led to more 

negative soil water potential, but never approached the lowest measurements found in 

the field. Yet the 100% seawater treatment reduced Jaumea survival in the 

greenhouse, while survival in the field appeared to be unaffected by soil water 

potential. Strong salinity gradients that develop near the soil surface during the dry 

season may be irrelevant if early-season planting allows transplants to root below this 

zone. Jaumea tissue water potential was usually much less negative than soil water 

potential at our field site, suggesting that plant roots extended below the zone 

sampled by soil cores, or that plants were better able to regulate salt uptake in the 

field.  

Field transplant survival rates in our study were very high, challenging the 

view that conditions in salt marsh habitat are always stressful. Drought and salinity 

gradients on the West Coast are temporally and seasonally dynamic (Zedler et al., 

1986), and high rainfall may have eliminated physical stress during seedling 

establishment in our study; precipitation February – March 2017 was in the 95th 

percentile for the 61-year period of record in nearby Salinas, California (~20 km 

distant). However, transplant mortality can be high in this system when conditions are 

dry – Fresquez (2014) observed high Frankenia and Jaumea mortality during a 
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drought period in California (Griffin and Anchukaitis, 2014). Highly variable 

transplant survival has also been documented in Mediterranean marshes of southern 

California, where outcomes have been linked to soil properties and/or topography as 

well as weather – highlighting that recruitment in these systems is both variable and 

episodic (Zedler et al., 2003; O’Brien and Zedler, 2006).  

         Our transplant efforts were effective at increasing native species richness, 

establishing ~224 individuals of Frankenia and ~215 of Jaumea in a restored tidal 

marsh system where these species were largely absent. Both species are considered 

high marsh specialists in the Elkhorn estuary (Wasson and Woolfolk, 2011), but they 

showed inverse patterns of final cover across elevation, in keeping with recent 

findings from vertical niche breadth surveys along the West Coast (Janousek et al., 

2019). Frankenia and Jaumea also showed different capacities to colonize and hold 

space. Plots planted with Frankenia fared better than Jaumea against encroaching 

Salicornia (Appendix 3: Figure S5), which is known to be a strong colonizer and 

rapid grower at restoration sites (Lindig-Cisneros and Zedler, 2002; Armitage et al., 

2006; Blair et al., 2013; Noto and Shurin, 2017), including in the Elkhorn Slough 

(Wasson and Woolfolk, 2011). After thirteen months of growth, Salicornia cover 

remained lower than Frankenia cover in planted plots (24% vs. 40%), but surpassed 

Jaumea cover (36% vs. 25%), despite the advantage transplants had during the first 

eight months when plots were weeded. Frankenia’s vigorous growth and upright 

habitat likely allowed it to hold space against clonally spreading Salicornia, while 

Jaumea’s slower growth and low habit appeared to make it less competitive. 
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Salicornia is known to competitively suppress Jaumea in the San Francisco Bay 

(Boyer et al., 2001), and results here suggest that low-growing Jaumea may 

eventually be crowded out of the high marsh.  

 

Intraspecific interactions in the high marsh: facilitation vs. competition 

The Stress Gradient Hypothesis predicts a shift in interactions from 

competition under benign conditions to facilitation under stringent conditions 

(Bertness and Callaway, 1994). Evidence from many systems supports this prediction 

for interspecific interactions, including in salt marsh systems (Niering et al., 1963; 

Callaway and D’Antonio, 1991; Bertness and Yeh, 1994; Cavieres et al., 2006). 

Intraspecific facilitation has also been shown to improve survival and growth of 

eelgrass and Spartina, with clustered plantings reducing wave stress and anoxia 

(Worm and Reusch, 2000; Bos and Katwijk, 2007; Silliman et al., 2015). In the high 

marsh, we hypothesized that tight plantings should reduce plant stress by shading the 

soil, slowing moisture evaporation and concentration of salts. However, we found 

little evidence that tight plantings mitigate physiological stress in the high marsh. Soil 

water potential was strongly and positively affected by shade, but this shading effect 

was similar under tight and loose canopies. Planting pattern did not significantly 

affect tissue water potential in either Jaumea or Frankenia (although a non-

significant trend favored Tight clusters in the latter; Appendix 3: Figure S3). 

While plots were caged and weeded, plants in the tight pattern never had a 

significant survival advantage over plants in loose plots for either species. Final cover 
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was suppressed by neighbors, despite a clear gradient in performance across elevation 

for each species. High elevation was more favorable for Frankenia, while low 

elevation was more favorable for Jaumea – but tight neighbors did not improve plant 

performance at the less favorable end of the elevation gradient for either species. 

Above average winter rainfall during our study may have eliminated strong physical 

stressors required to shift plant interactions away from competition and toward 

facilitation. Bertness and Ewanchuk (2002) documented increased competition with 

higher rainfall in Atlantic salt marsh systems, and Keammerer and Hacker (2013) 

found little evidence for positive plant interactions in a mesic Oregon salt marsh. We 

cannot rule out the possibility that outcomes may differ with interspecific neighbors, 

a strategy that increased Jaumea survival in a hypersaline southern California salt 

marsh, and Selliera radicans biomass in a South Pacific salt marsh (O’Brien and 

Zedler, 2006; Fariña et al., 2009). However, earlier work in the Elkhorn estuary failed 

to document positive interspecific interactions even during drought conditions. 

Frankenia and Jaumea transplant survival was low in the presence or absence of 

neighbors, while neighbor removals tended to increase cover of surviving plants 

(Fresquez, 2014). 

We tested whether planting pattern influenced natural colonization of the 

native dominant and exotic invader species by measuring non-target species cover 

after plot weeding ceased. Salicornia cover was higher in tight Jaumea plots, and 

tight plots planted with either species had more exotic annual cover than loose plots. 

We therefore found that conspecific aggregations did not enhance the ability of 
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transplants to hold space against the native dominant or exotic invasive species; 

instead, intraspecific competition led to lower transplant cover in tight plots, leaving 

more space available for natural colonization. 

 

Top-down control in the high marsh 

Feeding preferences of herbivores can affect plant performance and vegetation 

structure (Furbish and Albano, 1994; Kuijper and Bakker, 2008), and abiotic or biotic 

context can be an important driver of consumer pressure (Silliman and Bertness, 

2002; Crain, 2008; Schrama et al., 2015). Although abiotic factors have long been 

considered the primary constraint on plant performance and community structure in 

salt marsh, impacts of herbivores have also been documented in these systems 

(Howell, 1984; Kotanen and Jefferies, 1997; Van Der Wal et al., 2000; He and 

Silliman, 2016). Furthermore, consumer pressure has been shown to vary seasonally 

or drive shifts from plant competition to facilitation in salt marsh systems (Alberti et 

al., 2008, 2011; Crain, 2008). 

We examined consumer effects on plants after cage removal and found that 

herbivory had strong but transient effects on cover. Rabbits consumed most 

Frankenia tissue in loose plots near the upland, where taller vegetation provides 

shelter from predators. These results are consistent with the Stress Gradient 

Hypothesis: high elevation plots were more favorable for Frankenia growth, where 

they experienced greater consumer pressure, and neighbors appeared to reduce these 

losses to herbivory. However, classic associational defense occurs when neighbors 
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are unpalatable or well-defended, mechanisms that are not applicable for conspecific 

plantings. We speculate that while large-scale plantings could prevent herbivores 

from penetrating to interior plants, the scale of plantings used here (4 m2 plots 

containing five plants each) hardly seems adequate to hinder rabbit movement 

(Connell, 1954; Bond et al., 2001). However, the spatial separation of the five plants 

in loose plots maximized total canopy and presented more canopy perimeter for 

rabbits to target (Figure 1). Loose plots may therefore represent an optimal foraging 

opportunity (Ford, 1983); rabbits could access more plant canopy per unit area by 

targeting loose plots, and more time foraging in these locations should translate to 

greater biomass losses (Pyke et al., 1977). In November we observed higher average 

Frankenia cover in the seawater treatment for both planting patterns, and in January 

we observed greater losses in watered plots, suggesting herbivores were targeting 

more productive locations (Appendix 3: Table S2). 

The strong effects we observed on cover contrast with results from a recent 

meta-analysis that showed herbivory effects on survival but not cover in salt marsh 

systems (He and Silliman, 2016). Our transplants were caged for the first 9 months, 

effectively preventing a test of herbivore impacts on seedling survival. However, 

Frankenia seedlings transplanted at a nearby site (< 3 km) suffered heavy mortality 

from herbivory (Fresquez, 2014), presumably by rabbits, prompting our decision to 

cage plants in order to maintain experimental neighbor treatments. In a separate study 

located adjacent to the experiments described here, we compared survival of caged 

and uncaged plants and found that only 5% of uncaged Frankenia seedlings survived 
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heavy herbivory (unpublished data). We only have evidence of strong herbivory from 

these three sites, so we cannot be sure that consumer pressure is similarly high across 

the Elkhorn estuary – but where herbivore impacts are prevalent and important, 

caging can allow seedlings to establish and withstand subsequent herbivory. At tight 

and loose plots, nearly all plants eaten to the ground in fall 2017 regenerated from 

belowground roots the following growing season, underscoring the importance of 

clonal spread for marsh recovery in systems with high consumer pressure (Daleo et 

al., 2014). 

 

Our results add to a growing body of evidence that the Stress Gradient 

Hypothesis is not universally applicable. From a restoration perspective, clustered 

plantings were not successful – target species cover was lower in tight plots, leaving 

more bare space in the surrounding area for recruitment by the dominant marsh 

species Salicornia and exotic annual species. Applying predictions of the SGH to 

restoration practice is therefore no guarantee of improved outcomes, even in 

iconically ‘stressful’ ecosystems. 
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Table 1. 
Linear mixed model results evaluating effects of elevation, seawater addition, and 

canopy cover and/or planting pattern on water potential, stem counts, and early 
percent cover in fall 2017 (prior to heavy herbivory). Water potential results are 

shown in (a) for soil, (b) for Frankenia tissue, and (c) for Jaumea tissue collected 
thirty-two weeks after planting, and ten weeks into seawater addition treatments). 
Stem count results are shown in (d) for Frankenia and (e) for Jaumea twenty-two 

weeks after planting and during the first week of seawater addition treatments (hence 
experimental watering effects are presumed to be negligible). Results for early 

percent cover are shown in (f) for Frankenia and (g) for Jaumea thirty-seven weeks 
after planting, and twelve weeks into seawater addition. 

 
 

    Predictor F-value Df Df res. P-value 

Water potential 
a) Soil (Intercept) 28.42 1 70.68 < 0.001 

  Elevation 89.16 1 70.96 < 0.001 
  Seawater 5.64 1 69.50 0.020 
  Canopy 219.09 1 75.01 < 0.001 
  Pattern 0.19 1 67.69 0.662 
  Elevation × Seawater 5.82 1 69.51 0.018 
  Canopy × Pattern 0.24 1 75.01 0.628 
  Seawater × Canopy 11.94 1 75.01 0.001 
  Seawater × Pattern 0.00 1 67.49 0.984 
    Seawater × Canopy × Pattern 0.45 1 75.01 0.506 

b) Frankenia      
 tissue (Intercept) 1.87 1 40.50 0.179 
  Elevation 0.08 1 40.13 0.779 
  Pattern 3.32 1 37.35 0.077 
  Seawater 1.28 1 38.01 0.265 
   Pattern × Seawater 1.19 1 37.29 0.281 

c) Jaumea      
 tissue (Intercept) 21.37 1 36.18 < 0.001 
  Elevation 2.76 1 36.08 0.105 
  Pattern 0.17 1 34.35 0.681 
  Seawater 4.77 1 36.55 0.035 
    Pattern × Seawater 0.03 1 33.78 0.854 

Stem counts 
d) Frankenia  (Intercept) 1.24 1 38.95 0.272 
  Elevation 2.95 1 38.96 0.094 
  Pattern 5.28 1 36.49 0.027 
    Elevation × Pattern 6.39 1 36.52 0.016 
e) Jaumea  (Intercept) 1.16 1 39.99 0.289 
  Elevation 2.8 1 39.97 0.102 
    Pattern 12.6 1 36.88 0.001 
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Table 1 (continued): 
 

    Predictor F-value Df Df res. P-value 
Early percent cover 
f) Frankenia (Intercept) 0.20 1 26.23 0.656 

  Elevation 8.27 1 25.75 0.008 
  Pattern 1.46 1 28.72 0.237 
  Seawater 0.35 1 29.51 0.559 
  Elevation × Pattern 2.35 1 28.80 0.137 
  Elevation × Seawater 0.39 1 29.58 0.538 
  Pattern × Seawater 4.54 1 28.50 0.042 
    Elevation × Pattern × Seawater 4.45 1 28.50 0.044 

g) Jaumea (Intercept) 6.87 1 37.50 0.013 
  Elevation 0.04 1 37.23 0.840 
  Pattern 35.79 1 34.44 < 0.001 
  Seawater 0.98 1 35.14 0.330 
    Pattern × Seawater 0.90 1 34.14 0.349 

 
Anova table includes Type III Wald F tests with Kenward-Roger degrees of freedom 

generated using the car package (Fox and Weisberg, 2011); non-significant 
interactions involving the Elevation covariate were dropped from models (see 

Methods – Data analyses for details). Bold numbers indicate significant effects (P ≤ 
0.05); italics indicate marginally significant effects (P ≤ 0.10). 
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Table 2. 
Linear mixed model results evaluating cover losses to herbivory during the period 

November 2017 – January 2018 for (a) Frankenia, and (b) Jaumea plots. Only 
Frankenia suffered rabbit herbivory. 

 
 

  Predictor F-value Df Df res. P-value 
a) Frankenia 

 

(Intercept) 0.68 1 36.87 0.416 
Elevation 1.56 1 36.86 0.219 
Pattern 6.54 1 35.20 0.015 
Seawater 0.34 1 37.04 0.562 
Elevation × Pattern 7.15 1 35.28 0.011 
Elevation × Seawater 0.18 1 37.11 0.674 
Pattern × Seawater 3.14 1 35.41 0.085 
Elevation × Pattern × Seawater 2.91 1 35.38 0.097 

b)  Jaumea 

 

(Intercept) 0.05 1 36.87 0.826 
Elevation 0.13 1 36.67 0.723 
Pattern 0.89 1 36.19 0.351 
Seawater 6.59 1 38.25 0.014 
Pattern × Seawater 0.48 1 35.58 0.494 

 
 

Anova table includes Type III Wald F tests with Kenward-Roger degrees of freedom 
generated using the car package (Fox and Weisberg, 2011); non-significant 

interactions involving the Elevation covariate were dropped from models (see 
Methods – Data analyses for details). Bold numbers indicate significant effects (P ≤ 

0.05); italics indicate marginally significant effects (P ≤ 0.10). 
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Table 3. 
Linear mixed model results evaluating final percent cover of (a) Frankenia, (b) 

Jaumea, and (c) Salicornia in fall 2018, eight-four weeks after planting. Seawater 
was included as a main effect for transplanted species to test for legacy effects of 

watering treatments applied in fall 2017. Plot type (planted with Frankenia vs. 
Jaumea) was included as a main effect in the Salicornia model, but Seawater was not 

included because Salicornia was weeded out of planted plots during the watering 
treatment period. 

 
 

    Predictor F-value Df Df res. P-value 
a) Frankenia (Intercept) 2.42 1 40.85 0.127  

(perennial) Elevation 6.89 1 40.71 0.012  
 Pattern 25.06 1 37.46 < 0.001   

Seawater 0.28 1 38.31 0.599 
    Pattern × Seawater 0.09 1 37.40 0.762 
b) Jaumea (Intercept) 31.79 1 37.90 < 0.001 

 (perennial) Elevation 9.72 1 36.40 0.004 

  Pattern 67.30 1 35.18 < 0.001 

  Seawater 0.21 1 35.52 0.649 
    Pattern × Seawater 0.03 1 35.08 0.871 
c) Salicornia (Intercept) 17.69 1 83.57 < 0.001 
 (perennial) Elevation 10.04 1 81.54 0.002  

 Pattern 3.71 1 80.11 0.058  
 Species 15.48 1 80.04 < 0.001   

Elevation × Pattern 3.07 1 80.11 0.084 
    Pattern × Species 4.66 1 80.05 0.034 

 
 

Anova table includes Type III Wald F tests with Kenward-Roger degrees of freedom 
generated using the car package (Fox and Weisberg, 2011); non-significant 

interactions involving the Elevation covariate were dropped from models (see 
Methods – Data analyses for details). Bold numbers indicate significant effects (P ≤ 

0.05); italics indicate marginally significant effects (P ≤ 0.10). 
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Figure 1. 
Planting patterns using (a) Frankenia, and (b) and Jaumea. The Loose neighbor 

planting pattern is shown on the left, with 5 individuals planted 50 cm apart, and the 
Tight neighbor planting pattern is shown on the right, with 5 individuals planted 10 

cm apart. Photos show plots in March 2018 (~53 weeks after planting). Photo credits: 
Karen Tanner. 
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Figure 2. 
Response of soil water potential to elevation, sampling location (in the open vs. under 
plant canopies) and seawater addition treatment using natural log-transformed data. 

Soil cores were collected in fall 2017, thirty-two weeks into the experiment. Elevation 
is shown relative to the North American Vertical Datum of 1988 (NAVD 88). Water 
potential of seawater drawn directly from the estuary is -2.89 MPa (-1.06 MPa on the 

natural log scale). 
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Figure 3. 
Effects of seawater addition treatment, elevation, and planting pattern on: (a) water 
potential measurements of Frankenia tissue and (b) Jaumea tissue after thirty-two 
weeks of growth; effects on (c) Frankenia survival and (d) Jaumea survival after 

thirty-six weeks of growth; and effects on (e) Frankenia cover and (f) Jaumea cover 
after thirty-seven weeks of growth. Raw rather than transformed data are shown for 

all response variables. Tissue water potential for Jaumea was within the known range 
for halophytes, while Frankenia measurements were much more extreme and 

variable; see Appendix 3 – Tissue water potential for more details. Water potential for 
seawater drawn directly from the estuary is indicated on y-axes of panels (a) and (b); 

note the different scales. 
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Figure 4. 
Per capita stem counts for focal plants in the Loose and Tight planting patterns for (a) 
Frankenia and (b) Jaumea. ** indicates a significant difference at the P ≤ 0.01 level, 

and *** indicates a significant difference at the P ≤ 0.001 level. 
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Figure 5. 
Percent cover from November 2017 to June 2018 for (a) Frankenia and (b) Jaumea. 
During a period of heavy herbivory, more Frankenia cover was lost to herbivores in 
Loose than in Tight plots. Herbivores did not feed on Jaumea, which showed modest 
growth during the same period (c, d). Open boxplots and symbols show Loose plots, 

and filled boxplots and symbols show Tight plots. Boxplots show medians and 
interquartile range, with whiskers indicating the highest and lowest values excluding 

outliers. Note: Analysis of herbivore effects was based on percent cover change 
between November 2017 – January 2018. 
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Figure 6. 
Effects of elevation and planting pattern on final cover of (a) Frankenia, and (b) 

Jaumea after eighty-four weeks of growth (October 2018). 
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Figure 7. 
Effects of elevation, species planted, and planting pattern on final cover of naturally 
recruiting species. Salicornia pacifica cover is shown in (a) Frankenia plots and (b) 

Jaumea plots eighty-four weeks into the experiment (October 2018). Cumulative 
cover of exotic annual species is shown in (c) Frankenia plots and (d) Jaumea plots. 

Differences in annual species phenology led to differences in the timing of peak 
biomass; cumulative cover was calculated by adding cover values for each species at 
the period of peak biomass (April 2018 for Brassica nigra, Bromus diandrus, Festuca 
perennis, Helminthotheca echioides, Lysimachia arvensis, Polypogon monspeliensis, 
Raphanus sp., and Silybum marianum; and June 2018 for Atriplex prostrata). Open 
symbols indicate Loose plots, and filled symbols indicate Tight plots. In (c) and (d) 

only plots with non-zero cover are shown. 
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Conclusions 

In this work, I have attempted to understand plant response in two systems 

affected by land use change and assumed to be under strong abiotic control. In the 

Mojave Desert, I found that the nature and strength of physical stressors differed 

across habitat type, leading to different predictions of land conversion impacts on 

plant populations and communities. In central California salt marsh, I found strong 

intraspecific competition but little evidence of abiotic control on plant performance. 

Work across both systems highlights the need to understand when and where stress 

drives plant performance in order to inform appropriate conservation and restoration 

strategies.  

My work in the Mojave Desert was motivated by knowledge gaps revealed 

during development of the Desert Renewable Energy Conservation Plan (California 

Energy Commission et al., 2016), and is intended to inform conservation and 

management practice as energy development continues in this region. I chose to study 

annual plants because they are ubiquitous and sensitive to microhabitat conditions, 

and it has been suggested that panels could alleviate stress by providing shade to 

desert plants. Reductions in stress can increase plant diversity in harsh environments 

(Danin, 1976), but if this increase is driven by the addition of exotic species, or 

greater abundance of common species at the expense of rare taxa, then stress 

alleviation could have a net negative impact on plant communities.  

Rainfall presented such an overwhelming constraint on annual activity in the 

Mojave Desert that it was impossible to test for solar microhabitat effects on plants in 
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the driest years. In mediocre rainfall years, panel microhabitat effects did emerge, but 

they differed across habitat types in ways that suggested the underlying abiotic 

drivers were different. Panel rain shadows appeared to exacerbate moisture limitation 

on one habitat type, while shade appeared to protect against plant desiccation on the 

other. This finding was unexpected, and suggests that predicting energy development 

impacts will be challenging even when comparing effects of facilities using the same 

technology deployed in the same region. Furthermore, where panel shade was 

protective it appeared to disproportionately favor exotic species. This finding 

underscores the heightened risk of invasion at solar development sites – a particular 

concern when facilities are situated on habitat supporting endemic or sensitive 

species. Survival of the rare species was reduced in panel shade during the wettest 

year, when annual density was highest and the two exotic species present comprised 

more than 35% of individuals. The impact of shade on the rare plant therefore 

appeared to shift from a positive, direct effect of stress relief in dry years to an 

indirect, negative effect mediated through competition in a wet year. Given that 

competition is not generally considered important in physically stressful systems, the 

apparent shift from abiotic to biotic control was unexpected and important. 

I also started with the assumption that abiotic factors would be strong drivers 

of plant performance at Whistlestop Marsh, where my work was intended to inform 

coastal restoration practice. Clustered plantings have been advocated as a general 

method for improving transplant success at physically stressful restoration sites 

(Padilla and Pugnaire, 2006), and evidence supporting this recommendation in coastal 
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systems comes from short studies (~1 year) using clustered eelgrass or Spartina 

plantings to reduce anoxia and erosion stress in the low marsh (Bos and Katwijk, 

2007; Silliman et al., 2015). However, at higher elevations in Mediterranean salt 

marsh, drought and/or salinity stress can be the dominant stressors (Zedler et al., 

2003). My goal was to identify the location of greatest stress in the high marsh and 

test the capacity for intraspecific facilitation to alleviate that stress over two growing 

seasons. However, despite demonstrating a strong gradient in soil water potential 

across elevation, I found little evidence that plant performance was affected by this 

shift in physical conditions. Clustered plantings did not improve survival and close 

neighbors strongly suppressed growth, highlighting the preeminent role of 

competition in this system. Future work will explore these questions on a larger scale. 

I am investigating the relative importance of abiotic stress and competition at a 47-

acre restoration project in the Elkhorn estuary, where I am tracking plant performance 

in clustered and uniform plantings using five native perennial species that comprise 

the bulk of biodiversity in the high marsh. Competition is again proving a stronger 

force than stress mitigation in clustered plantings. This project was also initiated in a 

high rainfall year (2019), which would have reduced the importance of abiotic stress.  

Taken together, these studies demonstrate that abiotic factors are not always 

overwhelming drivers of plant performance, even in canonically “stressful” 

ecosystems. Furthermore, where physical tolerance limits are important in space or 

time, stress mitigation may not favor conservation or restoration goals if altered 

conditions favor exotic or common plants over rare species. This work also 
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challenges the expectation that competition is unimportant in stressful systems. When 

physical constraints are relaxed, such as in times of unusually high rainfall, 

competition can become an important driver of plant performance, resulting in 

community structure that may be difficult to explain on the basis of physical stressors 

alone. 
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Appendix 1 
Supplementary Tables and Figures for Chapter 1 

Table S1. 
Plant species occurring in plots on each habitat type. Taxa were identified to family, 
genus, and species when phenology permitted – taxa with “sp.” listed in the Species 
column could be identified to genus only. Life form is designated as A (annual) or P 
(perennial). The Proportion columns show the relative abundance of species on each 
habitat type (we divided the number of plants observed for each species by the total 
number of plants observed across the study period; numbers were drawn from the 

Control microhabitat to show species distributions in natural communities). California 
endemic species and naturalized non-native exotic species are identified in the Status 

column (all other species are native to California and also occur outside the state). 
Rare plant ranks (CRPR, California Native Plant Society Rare Plant Program, 2020) 
are shown where applicable. We observed a total of 26 species on caliche pan habitat 

and 37 species on gravelly bajada habitat, including 4 unidentified species at the 
caliche pan site and 6 unidentified species at the gravelly bajada site. Where 

phenology did not permit identification, we characterized and tracked morphospecies 
according to unique features of their appearance. 

 
 

    Proportion of plants   

Family Genus Species 
Life 
form 

 Caliche 
pan 

Gravelly 
bajada  Status 

Rare 
plant 
rank 

Alliaceae Allium sp. P 0.0056 -     

Asteraceae Ambrosia dumosa P 0.0002 -     
 Chaenactis  stevioides A 0.0005 0.4540     
 Eriophyllum mohavense A 0.4229 - endemic 1B.2 
 Eriophyllum wallacei A - 0.1908     
 Lasthenia californica A 0.0894 -     
 Leptosyne bigelovii A - 0.0021 endemic   
 Leptosyne calliopsidea A 0.0030 - endemic   
 Logfia depressa A 0.0006 0.0051     
 Malacothrix californica A 0.0010 -     
 Malacothrix coulteri A - 0.0018     
  Monoptilon bellioides A - 0.0163     
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Table S1 (continued): 
 
 

    Proportion of plants   

Family Genus Species 
Life 
form 

 Caliche 
pan 

Gravelly 
bajada  Status 

Rare 
plant 
rank 

Boraginaceae Amsinckia tessellata A - 0.0072     
 Cryptantha circumscissa A - 0.0227     
 Cryptantha pterocarya A - 0.0306     
 Cryptantha sp. A - 0     
 Nama demissum A - 0.0004     
 Pectocarya platycarpa A 0.0064 -     
 Pectocarya  recurvata A - 0.0003     
 Phacelia  distans A - 0.0009     
  Phacelia  fremontii A - 0.0001     

Brassicaceae Caulanthus lasiophyllus A 0.0058 -     
 Lepidium flavum A 0.0088 -     
  Lepidium nitidum A 0.0258 -     

Fabaceaea Astragalus sp. A 0.0106 -     
 Lupinus sp. A - 0.0042     
 Lupinus concinnus A - 0.0001     
  Lupinus sparsiflorus A - 0.0007     

Geraniaceae Erodium cicutarium A 0.1492 0.1064 exotic   
Lamiaceae Salvia columbaria A - 0.0003     

Loasaceae Mentzelia albicaulis A - 0     

Onagraceae Eremothera refracta A - 0.0007     

Papaveraceae Eschscholzia minutiflora A - 0.0002     

Poeaceae Schismus arabicus A 0.1202 0.0892 exotic   

Polemoniaceae Gilia stellata A 0.0388 0.0063     
  Linanthus parryae A - 0.0004 endemic   

Polygonaceae Chorizanthe brevicornu A - 0.0009     
 Chorizanthe spinosa A 0.0164 - endemic 4.2 
 Eriogonum maculatum A 0.0002 0.0159     
 Eriogonum nidularium A - 0.0031     
 Eriogonum palmerianum A - 0.0001     
 Eriogonum pusillum A 0.0005 0.0293     
 Eriogonum sp. A - 0.0052     
 Eriogonum trichopes A 0.0034 -     

Unknown 1-4     A 0.0204 -     

Unknowns 5-10     A - 0.0050     
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Perennial shrub cover 

 

A mix of Larrea tridentata and Atriplex sp. was present at the caliche pan site, and 

Larrea was a strong dominant at the gravelly bajada site. Shrub cover was visually 

estimated from satellite imagery. Within each 10,000 m2 footprint (yellow boxes 

below) seven 10 x 10 m patches were randomly selected and assessed. At the caliche 

pan site random patches were selected until seven were obtained on knoll tops, where 

E. mohavense occurs. Cover estimates were averaged for each site, with shrubs 

comprising ~4.7% cover at the caliche pan site and ~19.3% cover at the gravelly 

bajada site. 

 
 

Figure S1. 
Google Earth satellite imagery showing perennial shrub cover at (a) the caliche pan 

site and (b) the gravelly bajada site; yellow boxes indicate the approximate site 
footprints. Google Earth Pro 7.3.2.5776 (September 4, 2015). Mojave Desert, 

California, U.S.A. Eye altitude 1.1 km. 
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Figure S2. 
Different sampling designs were used at plots tracking plant community and abiotic 

metrics at each site, driving different choices during data analysis. (a) At plots 
dedicated to plant community metrics (abundance, richness, diversity), plots do not 
function as blocks; for example Plot 102 has a panel installed (creating Shade and 

Runoff microhabitats) and Plot 103 does not, so only two out of four possible 
microhabitats exist at each plot. Panels also created Shade and Control microhabitats 
differing in size from Runoff and Runoff Control microhabitats. The area sampled 

affects community metrics like species richness and diversity (i.e., more individuals 
or species will be found as surveyed area increases), and we also found that 

microhabitat size differences drove artifacts when scaling metrics up to the standard 1 
m2 scale. To avoid these artifacts we limited community comparisons to 

microhabitats of equivalent size (indicated by dashed lines in (a)), and we present 
abundance, richness, and diversity data on the basis of actual area surveyed. Lastly, 
the plots depicted in (a) (with and without panels) are not spatially paired, but rather 

are scattered across each site as a consequence of random treatment assignments. Plot 
therefore functions as the unit of replication in community analyses. (b) At plots 

dedicated to abiotic metrics all three microhabitats (Shade, Runoff, Control) were 
sampled for soil moisture and soil temperature in the same location; plots therefore 
function as blocks for these metrics. The substrate at both sites is heterogenous, so 

soils within a plot (= block) should be most similar to each other; we therefore used 
Plot as a random blocking factor nested within a fixed Site effect (Site = caliche pan 

or gravelly bajada). 
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Soil properties 

On each landform, we collected soil in shrub interspaces (n = 10 locations per 

site) in summer 2018. We used a trowel to sample to a depth of ~10 cm, the full 

rooting zone for small-statured plants (e.g. Eriophyllum) in these annual communities 

(Forseth et al., 1984). Plant and other organic material was removed from samples, 

and mineral soil alone was bulked by site and homogenized prior to analysis of 

texture, nutrient, and water-holding capacity. A & L Western Laboratories (Modesto, 

California, USA) employed a 1:1 soil:water extract using deionized water to 

determine soil pH, and organic matter was determined via loss on ignition. Detailed 

laboratory protocols are available at: 

https://www.naptprogram.org/files/napt/publications/method-papers/western-states-

methods-manual-2013.pdf 

 
Table S2. 

Soil chemical and physical properties at each site. 
 

  Caliche pan soil Gravelly bajada soil 
Estimated water holding capacity (%) 34.3 10.0 
% Sand 60 80 
% Silt 18 14 
% Clay 22 6 
Soil texture Sandy clay loam Loamy sand 
Organic matter (% rating) 1 0.6 
Cation exchange capacity (meq/100g) 24.2 12.1 
Boron (ppm) 4.7 0.5 
Calcium (ppm) 3716 2141 
Magnesium (ppm) 306 98 
Phosphorous (ppm) 30 66 
Sodium (ppm) 524 7 
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Weather 

The closest weather stations were ~40 km distant from the caliche pan site 

(KEDW, Edwards Air Force Base), and ~8 km distant from the gravelly bajada site 

(KDAG, Barstow-Daggett Airport).  

 

KEDW, Armstrong Flight Research Center – Edwards Air Force Base: 

https://weather.dfrc.nasa.gov/wxclimatology.htm. 

KDAG, via the NOWData portal on the National Weather Service Forecast Office: 

http://w2.weather.gov/climate/xmacis.php?wfo=vef. 

Wind data for KDAG were not available through this portal, so we acquired data for 

this station from the Weather Underground website: 

https://www.wunderground.com/history/daily/us/ca/daggett-barstow/KDAG 

 

We downloaded monthly precipitation summary data for 1945 – 2018 from 

each station and used these historic data to calculate percentiles of interest for 

October – March rainfall at each site. We also downloaded daily precipitation data for 

the months October – March from 2012 – 2018 and used these data to calculate 

cumulative rainfall for each hydrologic year in our study period. When necessary, 

March rainfall data were truncated to the date of final surveys (this was rarely 

necessary, due to low frequency of March rainfall and timing of final surveys at the 

end of the month). We used daily peak wind speed data during our study period to 

calculate average monthly peak wind speed across the full study period, and to 
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calculate average monthly peaks for those days when wind speed exceeded 35 km 

and 65 km per hour (Appendix 1: Table S3). Lastly, we acquired local rainfall data in 

2013 and 2017 to identify storm systems delivering sufficient precipitation to test for 

soil moisture differences across microhabitats. In 2013 we used an all-weather rain 

gauge (model 5744, Forestry Suppliers, Inc., Jackson, Mississippi, USA). In 2017 we 

used a HOBO rain gauge (RG3-M, Onset Computer Corporation, Bourne, 

Massachusetts, USA) connected to a Pendant Event Logger (UA-003-64), and 

downloaded data through an Optic USB Base Station coupler (BASE-U-1) at ~4 

month intervals. 
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Table S3. 
Monthly mean peak wind speed across habitat types for the full study period, on days 

with wind speeds over 35 km/hour, and on days with wind speed over 65 km/hour. 
 
 

 Days in study period 
Days with wind > 35 

km/hr 
Days with wind > 65 

km/hr 

  
Number 
of days 

Mean 
peak 

(km/hr) SD 
Number 
of days 

Mean 
peak 

(km/hr) SD 
Number 
of days 

Mean 
peak 

(km/hr) SD 

Caliche pan site 

Oct 217 38.3 16.56 113 51.8 10.49 11 71.6 4.63 
Nov 210 35.1 19.51 97 53.3 12.89 15 75.8 7.32 
Dec 217 33.7 19.66 89 55.1 11.13 14 73.0 7.78 
Jan 217 31.5 18.47 79 53.3 11.65 13 72.1 5.32 
Feb 198 41.1 18.11 126 52.7 11.34 13 73.7 4.97 
Mar 217 47.3 17.73 163 54.8 13.56 34 75.3 8.00 

Gravelly bajada site  

Oct 217 28.7 11.05 58 43.9 8.50 1 77.2 - 
Nov 210 28.3 14.23 43 52.6 11.35 8 71.4 4.03 
Dec 217 27.5 14.19 48 50.4 11.32 4 72.4 5.42 
Jan 217 25.8 13.84 44 49.7 11.01 3 77.8 3.72 
Feb 198 31.3 13.44 65 47.6 9.22 3 70.8 1.61 
Mar 217 35.6 14.84 105 48.1 10.82 9 72.2 4.51 
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Table S4. 
(a) Results from linear mixed model analyzing effects of Year, Site, Microhabitat, 
and the Year*Site*Microhabitat interaction on soil moisture content. (b) Pairwise 

comparisons of soil core moisture content across years and microhabitats at each site 
using the emmeans package. 

 

a)   Df F-value P-value 

 Year 1 19.40 < 0.001 
 Site 1 84.32 < 0.001 
 Microhabitat 2 24.99 < 0.001 
 Year*Site 1 23.10 < 0.001 
 Year*Microhabitat 2 2.43 0.123 
 Site*Microhabitat 2 7.20 < 0.001 
 Year*Site*Microhabitat 2 5.44 0.004 

 
 

(b)   Year 
Microhabitat 
comparison SE T-ratio P-value 

 

Caliche 
pan soil 

2013 
Control - Shade 0.89 6.79 < 0.001 

 Control - Runoff 0.89 -0.59 0.825 
 Shade - Runoff 0.89 -7.38 < 0.001 
 

2017 
Control - Shade 1.09 2.72 0.028 

 Control - Runoff 1.09 1.50 0.304 
 Shade - Runoff 1.09 -1.21 0.454 
 

Gravelly 
bajada soil 

2013 
Control - Shade 0.97 1.06 0.546 

 Control - Runoff 0.97 0.29 0.955 
 Shade - Runoff 0.97 -0.77 0.724 
 

2017 
Control - Shade 1.09 1.32 0.395 

 Control - Runoff 1.09 -0.70 0.767 
 Shade - Runoff 1.09 -2.02 0.125 
 

Bold numbers indicate significant differences at the P ≤ 0.05 level. 
  



 151 

Soil temperature 

We waterproofed Thermochron iButton units (model DS1921G, Maxim 

Integrated, San Jose, California, USA) by vacuum sealing them inside 4 mil plastic 

sleeves (first confirming that sleeves did not impair function). During testing, we 

observed strong temperature fluctuations in response to wind gusts and transient 

cloud cover; we therefore chose to bury units ~seven mm under the soil surface. We 

nailed down a small square of 1.27 cm hardware cloth over burial locations to protect 

units from disturbance. We downloaded units at ~3 month intervals using a BlueDot 

reader (model DS1402D), a USB port adapter (model DS9490), and the 

OneWireViewer software. 
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Table S5. 
iButton sample sizes by microhabitat during the 2017 – 2018 growing season; 

occasional unit failures led to differences in the number of active units or the number 
of samples taken. 

  Year Month Microhabitat 
Number of 
active units 

Number of 
samples 

(a) Caliche pan site     
 

2017 

October Control 4 124 

  Shade 4 124 

 November Control 4 120 

  Shade 4 120 

 December Control 4 116 

   Shade 4 116 

 

2018 

January Control 4 124 

  Shade 4 124 

 February Control 4 76 

  Shade 4 100 

 March Control 3 69 

    Shade 4 92 
 

  Year Month Microhabitat 
Number of 
active units 

Number of 
samples 

(b) Gravelly bajada site  
 

 
 

2017 

October Control 4 124 

  Shade 4 124 

 November Control 4 120 

  Shade 4 120 

 December Control 4 116 

   Shade 4 116 

 

2018 

January Control 4 124 

  Shade 4 124 

 February Control 4 100 

  Shade 4 100 

 March Control 4 92 
    Shade 4 92 
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Light environment 

Our full-scale mock panel was built from plywood (dimensions ~1 x 1.5 m) 

and mounted on 5’ posts – a standard size and mounting height used in the 

photovoltaic industry. We used the AccuPar LP-80 (Meter Group, Inc., Pullman, 

Washington, USA) to take measurements at 5 equidistant positions inside the 

shadows cast by an experimental panel and the mock full-scale panel near solar noon. 

Because the ceptometer wand was longer than the width of our experimental panel, 

two of the wand’s eight sensors extended into full sun, allowing us to capture 

measurements presented in Appendix 1: Table S6 (a) and (b) simultaneously.  The 

wand was not long enough to span the shade footprint under the full-size panel, so we 

inserted the wand at each of the 5 designated sampling positions from both the east 

and west sides of the panel (generating twice as many measurements). We found 

similar light reductions under the experimental and mock panels, despite differences 

in size and mounting height.  

For surveys in subsequent years (2014, 2017, 2018), we wrapped the 

ceptometer wand in tinfoil to block sunlight, leaving only enough of the wand 

exposed to span each subplot within the Shade microhabitat (see Chapter 1 Figure 

5a). 
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Table S6. 
PAR measurements in μmol m-2 s-1 taken in Barstow, California, USA, near solar 

noon in (a) the open, (b) underneath a small-scale experimental panel, and (c) 
underneath a full-scale mock panel. Sampling position was one of 5 equidistant 

locations on the ground under each panel. Sensors 1 – 8 correspond to distinct light-
measuring units arrayed along the AccuPar LP-80 ceptometer wand. 

 

a) 
Sampling 
position 

Unit 
1 

Unit 
2      

Mean 
PAR       

% full 
sun 

 1 1919 2046 

1976 100% 
 2 1987 2060 
 3 1497 2089 
 4 1991 2068 
 5 1983 2116 
            

b) 
Sampling 
position 

Unit 
3 

Unit 
4 

Unit 
5 

Unit 
6 

Unit 
7 

Unit 
8 Mean PAR 

% full 
sun 

 1 234 238 241 252 260 301 

242 12.3% 
 2 188 174 179 190 208 261 
 3 191 184 188 201 217 255 
 4 237 233 238 254 270 310 
 5 274 275 280 296 307 333 
            

c) 
Sampling 
position 

Unit 
1 

Unit 
2 

Unit 
3 

Unit 
4 

Unit 
5 

Unit 
6 

Unit 
7 

Unit 
8 

Mean 
PAR 

% full 
sun 

 1 263 258 259 264 266 271 277 287 

226 11.5% 

 202 205 208 212 211 211 211 213 
 2 222 211 207 214 216 222 227 235 
 197 195 193 195 194 193 194 196 
 3 214 204 203 204 206 211 217 228 
 194 191 188 184 180 180 180 185 
 4 240 237 238 240 238 241 244 252 
 206 207 209 212 212 214 212 216 
 5 274 276 278 283 283 285 286 290 
 228 235 241 249 248 249 249 251 
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Figure S3. 
Total abundance of five native species occurring on both habitat types; the species 

counted included Chaenactis steviodes, Eriogonum maculatum, Eriogonum pusillum, 
Gilia stellata and Logfia depressa (see Chapter 1 Figure 7g, h for abundance of 

shared exotic species). Abundance in each microhabitat (surveyed area = 0.372 m2 for 
Control and Shade, and 0.096 m2 for Runoff and Runoff Control) is shown for (a) 
caliche pan habitat, and (b) gravelly bajada habitat. Circles and triangles are color-
coded to distinguish microhabitats; symbols with a black outline show the Control 

microhabitat and filled black symbols show Shade. Symbols with a blue outline show 
the Runoff Control and filled blue symbols show the Runoff microhabitat. Stars 

indicate significant differences (P ≤ 0.05), and daggers indicate marginally significant 
differences (P ≤ 0.10); color-coding of these symbols identifies the relevant 

microhabitat comparison. A black star or dagger indicates a difference between 
Control and Shade, and a blue star or dagger indicates a difference between Runoff 

Control and Runoff. Error bars are one standard deviation. 
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Table S7. 
Summary of the average number of exotic and native plants present across years in 
each microhabitat at (a) the caliche pan site, and (b) the gravelly bajada site. Plant 

counts were conducted in a 0.372 m2 area for Control and Shade, and a 0.096 m2 area 
for Runoff and Runoff Control – see Appendix 1: Figure S2 for more details. 

 
 

(a) Caliche pan site       

 Year Microhabitat 

Total 
natives 
all plots 

Average 
natives 
per plot SD 

Total 
exotics 
all plots 

Average 
exotics 
per plot SD 

 
2012 

Control 0 0 0 0 0 0 
 Shade 0 0 0 0 0 0 
 Runoff Control 0 0 0 0 0 0 
 Runoff 0 0 0 0 0 0 
 

2013 

Control 0 0 0 6 0.6 1.3 
 Shade 31 3.1 6.6 1 0.1 0.3 
 Runoff Control 1 0.1 0.4 14 2.0 3.6 
 Runoff 3 1.0 1.0 36 12.0 8.9 
 2014   Abundance data not collected 
 

2015 

Control 1799 179.9 103.6 264 26.4 15.5 
 Shade 1829 182.9 52.8 309 30.9 24.0 
 Runoff Control 309 44.1 28.7 77 11.0 7.0 
 Runoff 91 15.2 10.2 80 13.3 12.4 
 

2016 

Control 282 28.2 67.3 162 16.2 30.0 
 Shade 1388 138.8 94.3 390 39.0 32.2 
 Runoff Control 62 8.9 10.4 51 7.3 12.4 
 Runoff 15 5.0 6.1 20 6.7 4.9 
 

2017 

Control 1301 130.1 92.5 401 40.1 20.7 
 Shade 2584 258.4 126.2 1449 144.9 101.4 
 Runoff Control 375 37.5 28.6 146 14.6 15.0 
 Runoff 192 19.2 11.0 149 14.9 12.4 
 

2018 

Control 1172 117.2 134.0 846 84.6 63.3 
 Shade 1304 130.4 131.7 2354 235.4 177.9 
 Runoff Control 207 20.7 22.1 335 33.5 54.0 
 Runoff 387 38.7 27.9 563 56.3 54.3 
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Table S7 (continued): 
 

 
(b) Gravelly bajada site       

 Year Microhabitat 

Total 
natives 
all plots 

Average 
natives 
per plot SD 

Total 
exotics 
all plots 

Average 
exotics 
per plot SD 

 
2012 

Control 22 2.2 2.1 371 37.1 27.4 
 Shade 26 2.6 2.8 164 16.4 9.3 
 Runoff Control 6 0.6 1.1 53 5.3 3.5 
 Runoff 24 2.4 1.7 108 10.8 9.2 
 

2013 

Control 1331 133.1 65.4 364 36.4 27.0 
 Shade 591 59.1 47.2 155 15.5 11.7 
 Runoff Control 371 37.1 25.3 98 9.8 10.7 
 Runoff 207 20.7 10.6 70 7 4.6 
 2014   Abundance data not collected 
 

2015 

Control 3082 308.2 71.9 306 30.6 56.9 
 Shade 2483 248.3 63.4 208 20.8 11.9 
 Runoff Control 770 77 36.5 110 11 19.4 
 Runoff 674 67.4 35.4 33 3.3 1.8 
 

2016 

Control 677 67.7 31.6 34 3.4 3.2 
 Shade 383 38.3 23.9 67 6.7 4.5 
 Runoff Control 160 16 7.7 4 0.4 1.0 
 Runoff 58 5.8 5.8 3 0.3 0.5 
 

2017 

Control 2012 201.2 115.1 339 33.9 27.1 
 Shade 2676 267.6 80.0 562 56.2 41.4 
 Runoff Control 388 38.8 9.0 111 11.1 11.1 
 Runoff 488 48.8 22.3 66 6.6 4.7 
 

2018 

Control 184 18.4 12.0 363 36.3 37.2 
 Shade 545 54.5 28.1 573 57.3 42.2 
 Runoff Control 46 4.6 3.1 56 5.6 6.1 
 Runoff 127 12.7 14.8 76 7.6 7.5 
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Figure S4. 
Plant abundance (total individuals) in Control and Shade microhabitats (area = 0.372 
m2) for some of the most plentiful species occurring on each habitat type. Open boxes 

indicate the Control microhabitat, and filled boxes indicate the Shade microhabitat; 
panels on the left show abundance on caliche pan habitat, and panels on the right 
show abundance on gravelly bajada habitat. Plant counts are shown in (a, d) for a 

‘dry’ year; in (b, e) for a ‘wet’ year; and in (c, e) for a ‘late rain’ year (first rain falling 
in January). Note different y-axes across years. 
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Appendix 2.1 
Supplementary Tables and Figures for Chapter 2 

 

Figure S1. 
Pre-reproductive and reproductive life stages for the rare E. mohavense (top) and the 

common E. wallacei (bottom). Photo credits: Karen Tanner, 2011. 
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Experimental plots 

Plots were chosen at each site in spring 2011 to contain at minimum n = 100 

(E. mohavense) or n = 26 (E. wallacei) individuals. The choice of different thresholds 

for each species was motivated by differences in maximum density. Experimental 

panels were metal frames holding solar shields (Appendix 2.1: Figure S2) – 

microhabitat footprints were ~60 x 60 cm for Control and Shade microhabitats, and 

~8 x 60 cm for Runoff Control and Runoff. Panels were covered with clear 

corrugated plastic sheeting (4 mm Coroplast, Corrugated Plastics.net, Hillsborough, 

New Jersey, USA) in summer 2016 to improve rainfall runoff (runoff volume was not 

quantified). 
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Figure S2. 
Experimental panels were constructed using rebar frames to hold wooden inserts at a 
30º angle; photos show the Caliche-mohavense array. Photo credits: Elizabeth Axton 

and Karen Tanner, 2011. 
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Table S1. 
Averaged seed retention rates for seed bank packets containing 2015 and 2016 seed 
cohorts, buried for 1 or 2 growing seasons, in each microhabitat for (a) the rare E. 

mohavense on caliche soil, and (b) E. wallacei on gravelly soil. These data sets were 
bootstrapped to parameterize models using generous (Appendix 2.1: Figure S5) or 
conservative seed bank survival rates (Chapter 2, Figure 5a, b), respectively. See 

Appendix 2.2 for details on seed bank studies used to estimate belowground 
demographic transition rates. 

 
 

  Generous Conservative 

    

Burial for 1 
growing 
season 

Burial for 2 
growing 
seasons 

Burial for 1 
growing 
season 

Burial for 2 
growing 
seasons 

a) E. mohavense Control 33.4 9.9 15.0 5.6 
   (rare) Runoff 33.1 13.7 17.6 9.6 
  Shade 31.5 23.3 15.5 14.1 
b) E. wallacei Control 81.2 12.3 21.7 1.3 
   (common) Runoff 84.4 11.1 27.6 0.5 
  Shade 82.5 38.8 28.1 7.5 
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Seedling emergence 

Initial batches of seed toothpicks were prepared for each species at University 

of California, Davis, using seed collected near sites in 2011. Three seeds were glued 

at the midpoint of each wooden toothpick using a minimal amount of Elmer’s School 

Glue (Newell Brands, Atlanta, Georgia, USA), and toothpicks were arranged in 

arrays at plots (n = 23 arrays per site) in July 2011, split between Control and Shade 

microhabitats. The number of toothpicks installed per array varied according to seed 

availability for each species, and over time toothpicks degraded or were lost; 

Appendix 2.1: Table S2 shows the total seed still present on surveys each year. In 

summer 2016 we used the same method to prepare toothpicks bearing a single seed 

from either the 2015 or 2016 seed cohorts (multiple cohorts were used to bolster low 

seed numbers). New toothpick arrays were sown in the field October 2016, evenly 

split among the Control, Runoff, and Shade microhabitats (n = 30 arrays per site). All 

toothpicks were installed to position seed ~ 2 mm below the soil surface, and arrays 

were checked for seedlings on each survey.  
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Table S2. 
Estimates of seedling emergence rates by cohort across microhabitats and years for 

(a) the rare E. mohavense on caliche soil, and (b) E. wallacei on gravelly soil. 
 

  Year 
Seed 

cohort Microhabitat 

Total 
seeds on 

toothpicks 

Number of 
seedlings 
emerging 

Mean 
germinating 

and emerging 
(%) SD 

(a) E. mohavense (rare) 

 2012 2011 Control 1227 0 0 - 
 Shade 1290 0 0 - 
 2013 2011 Control 975 0 0 - 
 Shade 1266 0 0 - 
 2014 2011 Control 975 5 0.51 0.041 
 Shade 1257 5 0.40 0.036 
 2015 2011 Control 964 14 1.44 0.068 
 Shade 1223 8 0.65 0.052 
 2016 2011 Control 1007 3 0.35 0.009 
 Shade 818 2 0.43 0.014 
 2017 2011 Control 881 7 0.75 0.020 
 Shade 715 10 0.99 0.011 
 

2017 2015, 
2016 

Control 240 12 5.00 0.038 
 Shade 232 13 5.58 0.064 
 Runoff 201 6 3.38 0.040 

 2018 2011 Control 539 0 0 - 
 Shade 517 0 0 - 
 

2018 2015, 
2016 

Control 215 0 0 - 
 Shade 211 0 0 - 
  Runoff 105 0 0 - 
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Table 2 (continued): 
 

  Year 
Seed 

cohort Microhabitat 

Total 
seeds on 

toothpicks 

Number of 
seedlings 
emerging 

Mean 
germinating 

and emerging 
(%) SD 

(b) E. wallacei (common) 
 

2012 2011 Control 477 0 0 - 
 Shade 516 0 0 - 
 2013 2011 Control 405 1 0.25 0.029 
 Shade 474 0 0 - 
 2014 2011 Control 327 6 1.83 0.076 
 Shade 435 4 0.92 0.055 
 2015 2011 Control 255 0 0 - 
 Shade 380 0 0 - 
 2016 2011 Control 222 0 0 - 
 Shade 390 1 0.20 0.007 
 2017 2011 Control 270 2 0.87 0.024 
 Shade 330 1 0.35 0.012 
 

2017 2015, 
2016 

Control 211 6 2.69 0.043 
 Shade 229 5 2.14 0.030 
 Runoff 229 12 5.15 0.069 
 2018 2011 Control 66 0 0 - 
 Shade 135 0 0 - 
 

2018 2015, 
2016 

Control 209 1 0.42 0.013 
 Shade 184 0 0 - 
  Runoff 208 0 0 - 

 
Seedling toothpick arrays were added to the Runoff microhabitat in early fall 2016. 
Seed loss from one year to the next in the absence of emergence is due to toothpick 

disturbance. 
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Rain window modeling 

We defined five “rain windows” to test as predictors in linear regressions for 

each response variable. Using guidance from the literature (Beatley, 1974b), we 

defined “early rain” as the cumulative amount falling October – November, or 

October – December. We defined “late rain” windows of interest based on our own 

observations of field mortality, choosing the windows December – March and 

January – March. The “total rain” window includes cumulative rainfall October – 

March, truncated to dates of final surveys in each year. In all cases we used rainfall 

data from sources described in Tanner et al. 2020. We tested whether selected rain 

windows captured the most important environmental variability affecting each 

response variable by comparing patterns of predictor significance from rainfall 

ANCOVAs to patterns from models using a categorical year predictor instead (which 

implicitly captured differences in rainfall as well as other sources of environmental 

variability from year to year). The rainfall and year predictors generated the same 

patterns of significance for survivorship and seed output, confirming rainfall as the 

dominant environmental driver of these rates. 
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Table S3. 
Model AIC scores and adjusted R2 values for ANCOVAs using different rain 

windows to predict survivorship and mean seed per plant for (a) E. mohavense on 
caliche soil and (b) E. wallacei on gravelly soil. Linear equations for response 
variables in each microhabitat are shown in (c) for E. mohavense and (d) for E. 

wallacei. 

    Response variable Rain period 
Model 
AIC 

Adjusted 
R2 

(a) E. mohavense (rare)   
Survivorship Late rain Jan - Mar -18.5 0.744    

Late rain Dec - Mar -13.3 0.726    
Total rain Oct - Mar 6.4 0.643    
Early rain Oct - Dec 55.6 0.313    
Early rain Oct - Nov 65.8 0.171   

Mean seed per Late rain Jan - Mar 317.8 0.454   
plant Late rain Dec - Mar 318.1 0.452    

Total rain Oct - Mar 319.4 0.443    
Early rain Oct - Nov 340.1 0.276 

      Early rain Oct - Dec 342.0 0.276 
(b) E. wallacei (common)   

Survivorship Late rain Dec - Mar 7.6 0.455    
Late rain Jan - Mar 13.0 0.422    
Total rain Oct - Mar 22.6 0.360    
Early rain Oct - Dec 49.7 0.129    
Early rain Oct - Nov 55.7 0.071   

Mean seed per Total rain Oct - Mar 359.7 0.250   
plant Late rain Dec - Mar 360.4 0.246    

Late rain Jan - Mar 363.0 0.228    
Early rain Oct - Dec 375.9 0.135 

      Early rain Oct - Nov 387.5 0.032 
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Table S3 (continued): 
 

    Response variable Microhabitat Linear equation 
(c) E. mohavense (rare)   

Survivorship Control y  =  0.020 x  −  0.369 
  

 Runoff y  =  0.019 x  −  0.307 
 

  Shade y  =  0.011 x  +  0.034 
 

 
Mean seed per Control y  =  0.086 x  −  0.398 

 
 

plant Runoff y  =  0.060 x  +  2.233 
      Shade y  =  0.055 x  +  0.464 
(d) E. wallacei (common)   

Survivorship Control y  =  0.005 x  +  0.281 
  

 Runoff y  =  0.007 x  +  0.223 
   Shade y  =  0.007 x  +  0.091 
  Mean seed per Control y  =  0.015 x  +  1.312 
  plant Runoff y  =  0.024 x  +  1.210 
      Shade y  =  0.029 x  +  0.074 

 
 

Models of best fit (lowest AIC score) are shown in bold in (a, b); where two models 
are equivalent (AIC scores differing < 2 units), both are shown in bold. Linear 

equations shown in (c, d) were acquired using the lmlist function from the lme4 
package (Bates et al., 2015). 
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Figure S3. 
Matrix including three seed age classes: S1 = 1 year old seed, S2 = 2 year old seed, 

and S3 = 3+ year old seed. Entries in the top row of the matrix represent aboveground 
performance of seeds from each age class (we assume seed age has no effect on 

performance aboveground). Entries in the subdiagonal represent survival of seed aged 
1 to 3+ years in the soil seed bank (we reapply the year 2 seed bank retention rate to 

seed aged 3 years or older). 
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Table S4. 
Summary and origin of aboveground data used to parameterize matrix models for (a) 
the rare E. mohavense on caliche soil, and (b) E. wallacei on gravelly soil. Constant 
seedling emergence rates were calculated from observations at toothpick arrays for 

each season and microhabitat. Emergence rates for 2012 – 2016 were calculated from 
toothpick arrays bearing the 2011 seed cohort; estimates for 2017 – 2018 were 

calculated from toothpick arrays bearing the 2015 and 2016 seed cohorts. Where 
Runoff estimates were missing, Control estimates were substituted; where 

experimental rates were zero but natural recruitment was not, we substituted the 
lowest non-zero emergence rate observed across years. Survivorship estimates were 

derived from individuals emerging from the natural seed bank, marked at the seedling 
stage, and followed to reproductive maturity; mean seed estimates were derived from 

seed counts coming from both marked and unmarked plants. Where possible, 
survivorship and mean seed values were bootstrapped using available data for each 

microhabitat and year. Bold, italic text indicates missing or unrealistic estimates 
(often coming from fewer than seven individuals). The modeling decision column 

shows how we parameterized models in these cases.   
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(a) E. mohavense  (rare)  

  

Emergence 
at toothpick 
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Survivorship (marked 
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SD
 Modeling 

decision 

20
12

 Control 0.0 - 
No plants found on either survey 

Seed bank only 
Runoff - - Seed bank only 
Shade 0.0 - Seed bank only 

20
13

 Control 0.0 - 27 0 0 - - - - Seed bank only 
Runoff - - 11 0 0 - - - - Seed bank only 
Shade 0.0 - 15 0 0 - - - - Seed bank only 

20
14

 Control 0.5 - 495 2 0.4 - 2 2 1.4 - 
Runoff - 0.5 26 3 10.3 - 2 4 4.2 - 
Shade 0.4 - 313 97 23.7 - 41 3.4 4.4 - 

20
15

 Control 1.4 - 
No plants marked* 

19.2 116 8.6 12.4 - 
Runoff - 1.4 24.2 10 27.8 13.5 - 
Shade 0.7 - 42.6 111 6.0 9.4 - 

20
16

 Control 0.4 - 57 35 38.0 - 31 1.5 2.9 - 
Runoff - - 1 0 0 - - - - Seed bank only 
Shade 0.4 - 60 96 61.5 - 50 10.7 12.2 - 

20
17

 Control 5.0 - 29 322 91.7 - 30 33.6 33.9 - 
Runoff 3.4 - 4 47 92.2 - 54 46.1 39.0 - 
Shade 5.6 - 83 217 72.3 - 47 24.7 21.3 - 

20
18

 Control 0.0 -    No plants found on early season 
survey; no mature plants found 

on peak season survey       

  Seed bank only 
Runoff 0.0 -     Seed bank only 
Shade 0.0 -     Seed bank only 
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Table S4 (continued): 
 
 
(b) E. wallacei (common)  

  

Emergence 
at toothpick 

arrays 
Survivorship (marked 

plants) Fecundity  
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SD
 Modeling 

decision 

20
12

 Control 0.0 - - - - - 4 0.5 1 Seed bank only 
Runoff - 0.2 5 2 28.6 - 4 1.3 1.3 - 
Shade 0.0 - - - - - - - - Seed bank only 

20
13

 Control 0.2 - 37 52 58.4 - 121 6.7 7.2 - 
Runoff - 0.2 11 11 50.0 - 14 10.2 11.7 - 
Shade 0.0 0.2 22 10 31.3 - 14 3.9 6.8 - 

20
14

 Control 1.8 - 305 179 37.0 - 123 6.3 7.8 - 
Runoff - 1.8 50 32 39.0 - 23 4.8 5.8 - 
Shade 0.9 - 337 50 12.9 - 31 4.4 7.0 - 

20
15

 Control 0.0 0.2 
No plants marked* 

68.7 153 6.6 9.7 - 
Runoff - 0.2 66.1 51 7.7 6.6 - 
Shade 0.0 0.2 52.0 40 3.8 6.8 - 

20
16

 Control 0.0 0.2 22 5 18.5 - 26 2.9 4.4 - 
Runoff - - 12 1 7.7 - 0 - - Seed bank only 
Shade 0.2 - 14 0 0 - 1 5 - Seed bank only 

20
17

 Control 2.7 - 33 124 79.0 - 69 10.1 16.2 - 
Runoff 5.1 - 8 37 82.2 - 28 17.6 20.8 - 
Shade 2.1 - 45 120 72.7 - 64 12.6 14.6 - 

20
18

 Control 0.4 - - - - - - - - Seed bank only 
Runoff 0.0 - 3 0 0 - - - - Seed bank only 
Shade 0.0 - 1 0 0 - - - - Seed bank only 

 
 
*In years when we did not track marked plants, we averaged survivorship for the two 
years with the most similar late rainfall and substituted this rate for the missing 
parameter (see Chapter 2, Figure 2b, e). For E. mohavense survivorship in the 2015 
Runoff microhabitat, we averaged rates from 2014 Runoff and 2016 Control because 
the 2016 Runoff estimate came from a single plant; for E. wallacei survivorship in 
2015 we averaged survivorship across 2013 and 2017 for each microhabitat. 
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Table S5. 
Fisher’s exact tests for differences in seedling emergence by seed cohort, year, and 

microhabitat for (a) the rare E. mohavense on caliche soil and (b) E. wallacei on 
gravelly soil. 

 
 

  Year 
Seed cohort on 

toothpicks 

P-value for Fisher's exact test 
of difference between 

microhabitats 
a) E. mohavense 2014 2011 0.756 
    (rare) 2015 2011 0.083 
 2016 2011 1.000 
 2017 2011 0.327 
  2017 2015, 2016 0.399 
b) E. wallacei 2013 2011 0.461 
    (common) 2014 2011 0.341 
 2016 2011 1.000 
 2017 2011 0.591 
 2017 2015, 2016 0.196 
  2018 2015, 2016 1.000 

 
Tests were only conducted for years with non-zero emergence. Italic text indicates a 

marginally significant difference at the P ≤ 0.10 level. 
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Figure S4. 
Sensitivity of λ to demographic rates comprising aboveground matrix elements 

(seedling emergence, survivorship, mean seed output) for E. mohavense (top) and E. 
wallacei (bottom). (a, e) Actual population growth projections for 2017 using 

microhabitat-specific rates. (b, f) Results when using the average Control seedling 
emergence rate for each species in projections across all microhabitats. (c, g) Results 

when using the average Control survivorship rate for each species across all 
microhabitats. (d, h) Results when using the Control mean seed output rate for each 

species across all microhabitats. Error bars shown are 95% confidence intervals 
calculated for bootstrapped λ in each case. See Appendix 2.1: Table S4 for more 

details on transition rate differences among microhabitats in 2017. 
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Figure S5. 
Projections of deterministic λ in each year and microhabitat when using the generous 
seed bank survival rates for (a) E. mohavense on caliche soil, and (b) E. wallacei on 

gravelly soil. 
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Appendix 2.2 

Supplementary Tables and Figures for Chapter 2 

Acknowledgements 

Much of the lab work in this Appendix was carried out by senior thesis student 

Sophia Haji (Haji, 2018) with assistance from lab technician Joia Fishman. 

 

Overview of seed bank studies 

Altered moisture and temperature regimes in panel microhabitats could drive 

shifts in soil seed bank dynamics, with downstream consequences for population 

performance (Pakeman et al., 2012). We sewed E. mohavense and E. wallacei seed 

into fabric packets and buried them in the field to estimate seed bank survival rates 

across microhabitats. We defined the seed bank retention rate as the proportion of 

intact, apparently dormant seed still present in seed bank packets after burial for 1 or 

2 growing seasons. We used this approach because we could reliably count intact 

seed recovered from packets, but could not easily distinguish between seed that had 

germinated or simply decayed during burial periods lasting 6 or 18 months.  

In the first experiment (Appendix 2.2: Figure S1a), we used the 2016 seed 

cohort to generate a set of retention rates for each microhabitat to use in demographic 

models. In the second experiment (Appendix 2.2: Figure S1b), we used the 2015 seed 

cohort to test whether soil fungal activity affects seed retention rates across 

microhabitats at each site. We compared retention rates for packets treated with a 

fungicidal soil drench to packets experiencing ambient microhabitat conditions. 
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Microhabitat conditions are known to affect seed survival in other systems (Schafer 

and Kotanen, 2003; Mordecai, 2012), and both germination and seed bank mortality 

have been linked to pathogen activity in the Sonoran Desert (Li et al., 2019). We did 

not use retention rates from packets treated with fungicide in demographic models, 

but we did use retention rates from untreated control packets containing the 2015 seed 

cohort to supplement data sets used for bootstrapping belowground rates. 

We could not be certain that all intact seeds recovered from packets were 

alive, so the seed retention rate may overestimate seed bank survival. We therefore 

subjected a random subset of intact, recovered seed from each cohort, microhabitat, 

and fungicide treatment to tetrazolium staining assays to test for the presence of 

respiring tissue. Some authors caution that truly dormant seeds may fail to stain (Pake 

and Venable, 1996), so the staining rate may underestimate seed viability. In this 

work, we consider seed retention rates determined from visual inspection a 

“generous” estimate of survival in the seed bank; multiplying these generous 

estimates by the seed staining rate provides a “conservative” estimate of survival in 

the seed bank (Appendix 2.1: Table S1). We used the conservative seed bank survival 

rates in demographic models presented in Chapter 2 Figure 5, and the generous seed 

bank survival rates in models presented in Appendix 2.1: Figure S5.  

 

Field methods 
 

Seed collection. – In spring 2015 and 2016, we collected mature fruiting 

plants of E. mohavense and E. wallacei (n > 100 individuals per species and year) 



 178 

growing in the open at each site. From these plants, we harvested mature seed that 

met our quality criteria: firm and dark black in color. Both seed cohorts were stored 

under ambient laboratory conditions at the University of California, Santa Cruz, until 

seed bank packets were constructed in summer 2016. Storage conditions and duration 

can affect seed dormancy and germination, as can the lack of summer after-ripening 

in the field (Baskin and Baskin, 1976). However, our primary aim here was to test for 

differences in seed bank dynamics across microhabitats. All seeds were stored under 

the same conditions, so delayed burial and lack of after-ripening should not introduce 

biases across microhabitats. 

Seed bank packets. – We sowed seed into polyorganza fabric sleeves, creating 

sets of seed bank packets for each species and seed cohort (Appendix 2.2: Figure S1). 

Each packet was subdivided into cells containing a single seed, and the number of 

cells per packet was determined by the seed available for each cohort and species 

(Appendix 2.2: Table S1). We distributed packets evenly among Control, Runoff, and 

Shade microhabitats in fall 2016, buried them under a thin layer of soil, and covered 

them with a square of 1.27 cm hardware cloth held down with nails to protect against 

animal disturbance (Appendix 2.2: Figure S1b). We collected a subset of packets in 

March 2017 and remaining packets in March 2018. Collected packets were 

individually stored in paper envelopes under ambient lab conditions at University of 

California, Santa Cruz, until they could be processed. Within three months of 

collection, we cut packets open and individually inspected seeds under a dissecting 
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microscope. Seeds were scored as “intact” (presumably dormant) or “expended” 

(Appendix 2.2: Figure S2).  

Seed Staining. – We conducted tetrazolium staining assays on a subset of 

intact seed recovered from each microhabitat and fungicide treatment group to 

differentiate between live and dead intact seed. In living seeds, respiring tissues 

convert colorless tetrazolium chloride to a water-insoluble red carmine formazans 

(Porter et al., 1947), staining tissue red; dead tissue does not stain. We tested the 

tetrazolium technique for our species, boiling seed (n = 10 seeds per species) in water 

for 5 minutes prior to staining. All boiled embryos remained white, confirming dead 

tissue will not stain. We next conducted trials to identify optimal heating and soaking 

times for live seed of each species. E. mohavense stained slowly in early trials, and 

staff at Ransom Seed Laboratory (Carpinteria, California, USA) recommended 

soaking at higher temperature for a longer period. During final trials on intact seed, 

staining rates were 39% (E. mohavense) and 61% (E. wallacei). Formal assays were 

carried out in summer using seed recovered from packets collected the previous 

spring, with one exception. Resource constraints delayed assay of the 2016 cohort 

collected in spring 2017 until the summer of 2018. However, staining results for this 

cohort do not suggest that additional storage time negatively affected seed survival 

rates; we found no significant difference in staining rates across E. mohavense 

cohorts recovered in 2017, and observed higher staining rates for the 2016 E. wallacei 

cohort recovered in 2017 despite extended storage prior to staining (Appendix 2.2: 

Figure S4, top row).  
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Before formal assays, intact seeds were imbibed in deionoized water for 24 

hours. We prepared a 1% solution of 2,3,5-triphenyltetrazolium chloride and 

deionized water, and cut seeds longitudinally using a precision knife (Xacto #11 

blade) to expose the embryo and pericarp. E. wallacei seeds were soaked in solution 

for 24 hours at 17º C, and E. mohavense seeds were soaked for 6 hours at 35º C. 

Within 1 hour following soak, all exposed embryos were examined under a high 

power stereoscope (SMZ800, Nikon Inc., Tokyo, Japan). The intensity and 

completeness of embryo staining varied among individuals as well as across species, 

so we classified seed according to presence or absence of stain. Individuals with 

completely white embryos were considered dead seed, and those exhibiting any stain 

were considered live seed (Appendix 2.2: Figure S2). 

Fungicide treatment. – We anticipated that activity of fungi or oomycetes 

present in the soil could be affected by altered microhabitat conditions in the Runoff 

and Shade locations compared to the Control, with potential effects on seed bank 

retention and post-burial viability (staining rate). To test for this possibility we 

applied a one-time fungicidal treatment to half of the buried seed bank packets 

containing the 2015 seed cohort for each species. We prepared a fungicidal soil 

drench combining Subdue MAXX (Syngenta, Greensboro, North Carolina, USA) and 

Cleary’s 3336 (NuFarm Americas Inc., Alsip, Illinois, USA) according to 

manufacturer instructions at a rate of 4 drops and 2.5 mL per 3.8 liters, respectively. 

We isolated packets using a physical barrier to minimize lateral movement of the 

drench solution in the soil (Appendix 2.2: Figure S1b). Six ounces of drench solution 
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or water (as a control) were applied to each burial location in fall 2016, using an 

inverted plastic bottle with holes drilled into the lid to limit the area treated and 

minimize runoff.  

 

Data analyses 

Seed retention. – We used quasibinomial generalized linear models (GLMs) 

with logit link functions for each species to evaluate microhabitat, seed cohort, and 

burial duration effects on retained seed. Quasibinomial models are recommended to 

help control overdispersion (Carruthers et al., 2008), but overdispersion could not be 

entirely eliminated – so P-values should be regarded as approximate. The proportion 

of retained intact seed per packet was the response, and proportions were weighted by 

the number of seeds recovered from a given microhabitat and plot (combining seed of 

the same cohort where multiple packets were collected in the same location). Plot was 

not included as a blocking effect because blocks were incomplete. Models for each 

species included Year (when packets were collected – 2017 or 2018), Microhabitat 

(Control, Runoff, or Shade), Seed cohort (2015 or 2016), and the interaction 

Microhabitat*Year*Seed cohort as fixed effects. We used the Anova function in the 

car package (Fox and Weisberg, 2011) to generate Type III P-values suitable for 

unbalanced data. Post-hoc tests were carried out on estimated marginal means using 

the emmeans package (Lenth, 2019), with Tukey adjustments applied to P-values for 

multiple microhabitat comparisons within each seed cohort and year. 
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Seed staining. – We built quasibinomial GLMs with logit link functions to 

model seed staining (viability) rate across microhabitats for each species, using stain 

presence or absence on individual seeds as the response variable. Full models 

included Microhabitat, Year, Seed cohort, and the Microhabitat*Year*Seed cohort 

interaction. Overdispersion could not be entirely eliminated from the E. mohavense 

model so P-values should be considered approximate. 

Fungicide effects on seed retention. – We tested the effects of Fungicide 

treatment, Microhabitat, and their interaction on the proportion of intact seed 

recovered from seed bank packets collected in 2017 for each species. Seed lots from 

multiple packets deployed in the same plot and microhabitat were combined, and 

proportions in models were weighted by the total number of seed recovered from 

each location. We used GLMs with the quasibinomial family and logit link function 

to help control overdispersion, but overdispersion could not be eliminated from 

models for either species – so P-values are approximate. 

Fungicide effects on seed staining. We built quasibinomial GLMs with logit 

link functions to model seed staining rate for each species, using stain presence or 

absence on individual seeds as the response variable. The quasibinomial approach did 

not entirely eliminate overdispersion in the E. mohavense model, so P-values are 

approximate. Full models included Microhabitat, Fungicide treatment, and the 

Microhabitat*Fungicide treatment interaction; where significant or marginally 

significant fungicide treatment effects or interactions were detected, we used the 
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emmeans package (Lenth, 2019) to test for differences in the estimated marginal 

means for the fungicide-treated seed versus the untreated seed in each microhabitat. 

 

Results 

Seed retention rate. – After one year of burial (Appendix 2.2: Figure S3, top 

row), we found a striking difference in the proportion of intact seed recovered for the 

rare versus the common species. Averaged across both cohorts and all microhabitats, 

the proportion of intact seed for E. mohavense was 33%, versus 83% for E. wallacei. 

After two years of burial, the proportion of intact seeds recovered was 16% for E. 

mohavense and 21% for E. wallacei (Appendix 2.2: Figure S3, bottom row). 

Although a decline in intact seed over time was expected, this decline was much more 

dramatic for E. wallacei between the first and second year (for example, compare 

Appendix 2.2: Figure S3g, h with c, d).  

Seed staining rate. – After one year of burial (Appendix 2.2: Figure S4, top 

row), tetrazolium assays revealed an average staining rate of 49% for E. mohavense 

and 31% for E. wallacei. Tetrazolium assays on seed after two years of burial yielded 

staining rates of 62% for E. mohavense and 11% for E. wallacei (Appendix 2.2: 

Figure S4, bottom row).  

The proportion of E. mohavense seed staining in both cohorts increased 

significantly over time (Appendix 2.2: Table S3a; Appendix 2.2: Figure S4 a, c versus 

b, d), suggesting that survival remains high for aging seed of this species – at least for 

the first couple years after dispersal. We did not find a significant effect of burial 
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duration on E. wallacei staining rates, but sample sizes were low for both cohorts in 

the second year. However, the 2016 cohort had a higher staining rate than the 2015 

cohort in the first year, driving a significant year*seed cohort interaction (Appendix 

2.2: Table S3b; Appendix 2.2: Figure S4e vs. g). Given these findings, we conclude 

that both Eriophyllum species have, at least, a short-term persistent seed bank. 

Generous and conservative seed bank survival. – The generous seed bank 

survival rate is equivalent to the seed retention rate described above; the conservative 

seed bank survival rate was calculated by multiplying seed retention by the staining 

rate. The conservative seed bank survival rate was therefore (0.33*0.49 = 16.0%) for 

E. mohavense and (0.83*0.31= 25.8%) for E. wallacei during the first year (averaged 

across both cohorts and all microhabitats). In the second year the conservative seed 

bank survival rate was (0.16*0.62 = 9.7%) for E. mohavense and (0.21*0.11 = 2.4%) 

for E. wallacei. 

 

Microhabitat effects on seed retention and staining rate. – Microhabitat 

effects on the proportion of intact seed recovered depended on whether packets were 

collected in 2017 or 2018 (Appendix 2.2: Table S2). The proportion of intact seeds 

recovered from packets in the Control, Runoff, and Shade microhabitats did not differ 

in the first year of burial for either species or seed cohort (Appendix 2.2: Figure S3, 

top row). In the second year of burial, more intact seed was recovered from the Shade 

microhabitat than the Control microhabitat for the 2015 cohort of both species and the 

2016 E. mohavense cohort (Appendix 2.2: Figure S3, bottom row); low sample sizes 
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likely prevented detection of a significant effect for the 2016 E. wallacei cohort. 

Microhabitat had no effect on seed staining rate for either species in either year 

(Appendix 2.2: Table S3a, b; Appendix 2.2: Figure S4).  

Unfortunately, we cannot disentangle the effect of burial duration from 

prevailing weather in each year. We found no effects of microhabitat on seed 

retention in 2017, when rainfall was quite high. Conditions in 2018 were dry, when 

moisture limitation should have been exacerbated in the Shade microhabitat (Tanner 

et al., 2020). Higher retention rates in Shade may have resulted from lower seed 

germination rates, lower seed mortality rates, or a combination of the two. While the 

presence of radicles, shoots, or other plant remnants associated with seeds (Appendix 

2.2: Figure S2) allowed us to determine seed fate with high confidence, it was much 

more common to observe empty seed coats, which could result from germination and 

subsequent decay, or seed death and decay without germination.  

 

Fungicide effects on seed retention. – We found no significant effects of 

Fungicide or the interaction Microhabitat*Fungicide on seed bank retention for any 

species or seed cohort (Appendix 2.2: Table S4; Appendix 2.2: Figure S5).  

Fungicide effects on seed staining. – We found the Microhabitat*Fungicide 

interaction had a marginally significant effect on E. mohavense and E. wallacei seed 

staining rates (Appendix S2: Table S5). Post-hoc tests revealed that the E. mohavense 

seed staining rate was significantly lower in the Control microhabitat for fungicide-
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treated seed, and E. wallacei seed survival was marginally significantly lower for the 

untreated group in the Shade microhabitat (Appendix 2.2: Figure S6).  

We anticipated that panel microhabitats might affect soil microbe activity, 

with consequences for seed bank survival; if soil pathogens are important in this 

system, we might expect consistent positive effects of fungicide treatment. 

Alternatively, if the fungicide treatment harmed seeds or important soil mutualists, 

we might expect consistent negative effects of the treatment across microhabitats. 

Furthermore, we predicted that the relative importance of pathogenic and mutualistic 

soil taxa might shift across microhabitats. However, we saw none of these patterns, 

leading us to speculate that fungicide interacted with the specific microhabitat 

conditions at each site, possibly mediated by differences in soil characteristics 

(Tanner et al., 2020). 
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Table S1. 
Allocation of 2015 and 2016 seed cohorts to seed bank packets for each species. We 

used two cohorts to boost sample sizes. 
 

 

 Species Seed cohort 
Number of seed 

bank packets 
Number of seeds 

per packet Total seeds 

a) E. mohavense 2015 180 18 3240 

 (rare) 2016 180 9 1620 

b) E. wallacei 2015 180 14 2520 

 (common) 2016 180 2 360 
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Table S2. 
Results from quasibinomial generalized linear models (GLMs) evaluating effects of 
microhabitat, year, seed cohort, and all interactions on (a) the proportion of intact E. 

mohavense seed recovered from seed bank packets, and (b) the proportion of intact E. 
wallacei seed recovered. Only untreated seeds (no fungicide applied) were included 

in these analyses. 
 

  Predictor 
Sum 
Sq. Df F-value P-value 

a) E. mohavense 
    (rare) Microhabitat 16.43 2 4.26 0.017 
 Year 111.17 1 57.62 < 0.001 
 Seed cohort 138.57 1 71.82 < 0.001 
 Microhabitat × Year 24.66 2 6.39 0.002 
 Microhabitat × Seed cohort 1.42 2 0.37 0.693 
 Year × Seed cohort 0.19 1 0.10 0.753 
 Microhabitat × Year × Seed cohort 0.40 2 0.10 0.901 
  Residuals 204.51 106 NA NA 
b) E. wallacei  
    (common) Microhabitat 8.65 2 2.82 0.065 
 Year 136.10 1 88.91 < 0.001 
 Seed cohort 5.54 1 3.62 0.061 
 Microhabitat × Year 9.22 2 3.01 0.055 
 Microhabitat × Seed cohort 0.11 2 0.04 0.965 
 Year × Seed cohort 0.17 1 0.11 0.740 
 Microhabitat × Year × Seed cohort 0.54 2 0.18 0.838 
  Residuals 125.52 82 NA NA 

 
 

Anova table includes Type III tests with error estimates based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011). The quasibinomial 
approach did not eliminate overdispersion from models so P-values should be 

regarded as approximate. Bold text indicates a significant difference at the P ≤ 0.05 
level; italic text indicates a marginally significant difference at the P ≤ 0.10 level. 
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Table S3. 
Results from quasibinomial generalized linear models (GLMs) evaluating effects of 

microhabitat, year, seed cohort, and all interactions on (a) the likelihood of E. 
mohavense seed staining during tetrazolium assays, and (b) the likelihood of intact E. 
wallacei seed staining. Only untreated seeds (no fungicide applied) were included in 

these analyses. 

  Predictor Sum Sq. Df F-value P-value 
a) E. mohavense 
   (rare) Microhabitat 2.83 2 1.37 0.254 
 Year 6.71 1 6.51 0.011 
 Seed cohort 1.40 1 1.36 0.244 
 Microhabitat × Year 0.25 2 0.12 0.884 
 Microhabitat × Seed cohort 2.57 2 1.25 0.288 
 Year × Seed cohort 1.24 1 1.20 0.273 
 Microhabitat × Year × Seed cohort 2.08 2 1.01 0.366 
  Residuals 402.00 390 NA NA 
b) E. wallacei 
   (common) Microhabitat 0.00 2 0.00 1.000 
 Year 7.00 1 6.93 0.009 
 Seed cohort 1.40 1 1.39 0.240 
 Microhabitat × Year 0.00 2 0.00 1.000 
 Microhabitat × Seed cohort 0.00 2 0.00 1.000 
 Year × Seed cohort 6.76 1 6.69 0.010 
 Microhabitat × Year × Seed cohort 0.00 2 0.00 1.000 
  Residuals 193.00 191 NA NA 

 
 

Anova table includes Type III tests with error estimates based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011). The quasibinomial 

approach did not eliminate overdispersion from the E. mohavense model so P-values 
should be regarded as approximate. Bold text indicates a significant difference at the 

P ≤ 0.05 level. 
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Table S4. 
Results from quasibinomial generalized linear models (GLMs) evaluating effects of 
microhabitat, fungicide treatment, and their interaction on (a) the proportion of intact 
seed recovered from seed bank packets containing seed for (a) E. mohavense and (b) 

E. wallacei. All packets used in the fungicide experiment contained the 2015 seed 
cohort. 

  Predictor Sum Sq. Df F-value P-value 
(a) E. mohavense Microhabitat 0.531 2 0.09 0.917 
   (rare) Fungicide 0.16 1 0.05 0.822 
 Microhabitat × Fungicide 0.02 2 0.00 0.996 
  Residuals 159.70 52 NA NA 
(b) E. wallacei Microhabitat 5.215 2 1.43 0.248 
   (common) Fungicide 0.01 1 0.01 0.932 
 Microhabitat × Fungicide 4.24 2 1.16 0.321 
  Residuals 98.53 54 NA NA 

 
 

Anova table includes Type III tests with error estimates based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011). The quasibinomial 
approach did not eliminate overdispersion from models so P-values should be 

regarded as approximate. Only data from packets collected in 2017 are included in 
these models (the fungicide treatment was applied only once in fall 2016). 
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Table S5. 
Results from quasibinomial generalized linear models (GLMs) evaluating effects of 

microhabitat, fungicide treatment, and their interaction on (a) the likelihood of E. 
mohavense seed staining during tetrazolium assays, and (b) the likelihood of intact E. 

wallacei seed staining. 

  Predictor Sum Sq. Df F-value P-value 
(a) E. mohavense Microhabitat 12.169 2 5.89 0.003 
   (rare) Fungicide 0.51 1 0.49 0.483 
 Microhabitat × Fungicide 5.41 2 2.62 0.076 
  Residuals 192.00 186 NA NA 
(b) E. wallacei Microhabitat 1.738 2 0.85 0.430 
   (common) Fungicide 0.00 1 0.00 0.988 
 Microhabitat × Fungicide 4.97 2 2.42 0.091 
  Residuals 248.00 242 NA NA 

 
 

Anova table includes Type III tests with error estimates based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011). Only data from packets 
collected in 2017 are included in these models (the fungicide treatment was applied 

only once in fall 2016). Overdispersion was not entirely eliminated by using a 
quasibinomial approach to model E. mohavense staining rates, so P-values should be 
regarded as approximate. Bold text indicates a significant difference at the P ≤ 0.05 

level, and italic text indicates a marginally significant difference at the P ≤ 0.10 level. 
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Figure S1. 
(a) Seed bank packets containing the 2016 seed cohort were deployed in Shade, 
Runoff, and Control microhabitats to estimate belowground transition rates for 

demographic models. Seed bank packets were positioned parallel to the relevant 
physical gradient in each microhabitat (i.e., packets were oriented east-west in Shade 

to align with movement of the sun, and packets were oriented north-south in the 
Runoff to span the experimentally-created moisture gradient; Control placement 

follows the Runoff). (b) Experimental setup at the fungicide plots, which employed 
the 2015 seed cohort. Two groups of 3 seed bank packets were installed in each 

microhabitat; this spatial arrangement allowed us to isolate a single group of packets 
in each location for fungicidal treatment (shown with dashed outlines), applied in fall 
2016. As an extra precaution, a metal barrier was installed to contain the fungicidal 
soil drench while it soaked into the soil. An equivalent amount of water was applied 

to untreated control locations. 
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Figure S2. 
(a) Representative images of seed for the rare E. mohavense (left) and E. wallacei 
(right) taken during assessment of (a, b) seed bank retention (= the proportion of 

intact seed recovered from each seed bank packet); and (c, d) tetrazolium staining 
assays on a randomly selected subset of intact seeds. Expended seed in (a, b) includes 
empty seed coats (no embryo remaining), germinated seed, and decayed seed. Dead 
intact seeds were whole but did not absorb stain, while respiring tissue in live seeds 

stained red. All seeds in staining assays were initially intact, but seed coats were 
scored to permit entry of stain and seeds often disintegrated afterward, as shown. 

 
 

 
 
On average E. mohavense seeds (achenes) are ~2–2.5 mm long, and E. wallacei seeds 

are ~2 mm long (Jepson Flora Project, 2020).   
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Figure S3. 
Intact seed recovered from packets collected in 2017 (top row) and 2018 (bottom 

row). Percentages of intact E. mohavense seed are shown in (a, b) for the untreated 
2015 seed cohort (no fungicide applied), and (c, d) for the 2016 seed cohort. 

Percentages of retained E. wallacei seed are shown in (e, f) for the untreated 2015 
seed cohort, and (g, h) for the 2016 seed cohort. Data points overlaid on boxplots 

show the number of packets collected from each microhabitat, and the numbers above 
each boxplot show the total number of seeds recovered from collected packets. Post-
hoc tests were conducted on estimated marginal means using the emmeans package 

(Lenth, 2019), with Tukey adjustments applied for multiple microhabitat comparisons 
within each seed cohort and year. Where letters associated with boxplots differ, the 
percentages of retained seed recovered were significantly different at the P ≤ 0.05 

level. 
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Figure S4. 
Percentage of seed staining from packets collected in 2017 (top row) and 2018 

(bottom row); percentages of stained E. mohavense seed are shown in (a, b) for the 
untreated (no fungicide applied) 2015 seed cohort, and (c, d) for the 2016 seed cohort. 
Percentages of stained E. wallacei seed are shown in (e, f) for the untreated 2015 seed 

cohort, and (g, h) for the 2016 seed cohort. Post-hoc tests were conducted on 
estimated marginal means using the emmeans package (Lenth, 2019), with Tukey 

adjustments applied for multiple microhabitat comparisons within each seed cohort 
and year. Numbers above bar plots show the total number of seeds subjected to 

tetrazolium assays (a subset of intact seed recovered from packets). 
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Figure S5. 

Percentage of intact 2015 seed cohort recovered from packets in the untreated and 
fungicide treatment groups for (a) E. mohavense and (b) E. wallacei. Data points 

overlaid on boxplots show the number of packets collected in each microhabitat and 
treatment group, and the numbers above each boxplot show the total number of seeds 
collected across packets. We used the emmeans package (Lenth, 2019) to carry out 
post-hoc tests on estimated marginal means for the fungicide versus untreated seed 

within each microhabitat. 
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Figure S6. 

Percentage of 2015 seed cohort staining after recovery from fungicide-treated versus 
untreated packets collected in 2017; results are shown in (a) for E. mohavense seed, 
and (b) E. wallacei seed. Numbers above bar plots show the total number of seeds 

subjected to tetrazolium assays (a subset of the intact seed recovered from packets). 
Post-hoc tests were conducted on estimated marginal means using the emmeans 
package (Lenth, 2019). Asterisks indicate a significant difference between the 

fungicide-treated and untreated groups within a microhabitat; daggers indicate a 
marginally significant difference. 
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Appendix 2.3 

Supplementary Tables and Figures for Chapter 2 

Acknowledgements 

Much of the lab work in this Appendix was carried out by senior thesis student 

Sophia Haji (Haji, 2018), with assistance from lab technicians Joia Fishman, Natalie 

Gonzalez, and Melissa Vergara. 

 

Overview of seed plating study 

We hypothesized that altered abiotic conditions in panel microhabitats could 

drive shifts in soil fungal pathogen activity, with potential consequences for seed 

retention rates (Mordecai, 2012; Li et al., 2019). In particular, seed survival may drop 

in panel microhabitats where soil moisture is higher, or where evaporative losses are 

slower.  

When seed bank packets containing the 2015 seed cohort were collected after 

one season of burial, we plated a subset of the intact seed recovered on growth 

medium to test for differences in fungal infection rates across microhabitats and 

fungicide treatment groups (see Appendix 2.2 for more details on seed bank packet 

experiments). Fungal DNA was extracted, amplified, and sequenced to identify 

fungal colonies growing on each plate, with the goal of comparing taxa across 

microhabitats within each site, as well as across sites (i.e., taxa found on caliche pan 

versus gravelly bajada soil). 
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Lab methods 

Seed preparation. – We took a random subsample of intact seed recovered 

from packets collected in spring 2017 at both sites (subsampling was stratified across 

microhabitat and fungicide treatment group). We surface sterilized seeds to kill 

cosmopolitan soil fungi that may have been present on the surfaces following burial 

(our goal was to isolate growth of fungal taxa that had penetrated the seed coat). The 

seeds were rinsed for 30 seconds each in 70% ethanol solution, followed by 10% 

bleach solution and finally deionized water.  

Seed plating. – Seeds (n = 104 for E. mohavense, and n = 121 for E. wallacei) 

were individually plated on malt extract agar (MEA) media in 60 × 15 mm sterile 

culture dishes to promote fungal growth in spring 2018. We added 0.01% 

Chloramphenicol (an antibiotic) to plate medium to isolate growth of fungal taxa. 

Plates were maintained under laboratory conditions and seeds were checked for 

growth at ~24-hour intervals, when we recorded presence or absence of fungal 

growth. Fungal colonies generally filled available space on plates by late spring. 

Fungal DNA extraction and sequencing. – In summer 2018 we extracted DNA 

from pure fungal cultures isolated from plated seeds (n = 88 colonies on E. 

mohavense seed, and n = 32 colonies on E. wallacei seed). In August we used 

DNEasy Plant Mini Kits (Qiagen, Germantown, Maryland, USA) to extract DNA 

from each plate of pure culture, following manufacturer protocols. We used a 

GeneAmp PCR System 9700 (Applied Biosystems, Waltham, Massachusetts, USA) 

with ITS1F and ITS4 primers (Fisher Scientific Co. L.L.C., Waltham, Massachusetts, 
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USA) to elongate and amplify DNA. We combined DNA and primers in GoTaq 

Green MasterMix (Promega Corporation, Madison, Wisconsin, USA) in 25 μL 

reactions, with an initial denaturation step at 95ºC for 5 minutes, followed by thirty 

cycles of 95ºC for 30 seconds, 60.4ºC for 30 seconds, and 73ºC for 1 minute, and a 

final elongation period of 73ºC for 5 minutes. We ran 2 μL of each PCR product on 

2% (w/v) agarose gel for 1 hour at 100V, visualizing bands with gel red. Only about 

20% of amplifications were successful, resulting in 17 fungal products from the 

Caliche-mohavense site, and 7 from the Gravelly-wallacei site (Appendix 2.3: Table 

S1). We sent 10 μL of each amplified product and 10 μM of primers to the DNA 

Sequencing Facility at University of California, Berkeley for PCR cleanup and 

Sanger sequencing (http://mcb.berkeley.edu/barker/dnaseq).  

Identity of fungal taxa. – We used Geneious Prime (version 2019.0.4, 

Biomatters, Inc., San Diego, California, USA) to generate contigs (n = 24) from 

sequences obtained, and we used the FUNGuild database 

(http://www.stbates.org/guilds/query.php?qText=&qDB=funguild_db&qField=taxon) 

to assign fungal trophic mode and guild at the genus level where possible. 

 

Data analysis 

We used a binomial generalized linear model (GLM) with a logit link function 

to evaluate whether fungal growth on plated seed was predicted by the fixed effects 

Species, Microhabitat, Fungicide treatment, and the three-way interaction. We used 
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the Anova function from the car package (Fox and Weisberg, 2011) to generate Type 

III P-values for the model. 

Results 

The number of plated E. mohavense seeds exhibiting fungal growth was 

significantly higher than the number of E. wallacei seeds showing growth. A 

marginally significant Microhabitat effect was apparently driven by lower fungal 

growth on seed from the Runoff microhabitat (Appendix 2.3: Table S2, Figure S1). 

Fungal taxa were assigned to nine genera associated with a variety of trophic modes 

and guilds (Appendix 2.3: Table S3). Only one genus is considered purely 

pathogenic, and it was only detected on E. mohavense seed from caliche pan soil.  

We expected to find higher greater fungal activity on caliche soil, in keeping 

with its higher water holding capacity – and our evidence supports this hypothesis. 

We found no effect of fungicide treatment on plate growth, in keeping with the 

finding of no effect on seed retention rate (see Appendix 2.2 for more details).  
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Table S1. 
Number of fungal colonies grown by seed species, soil type, and microhabitat. 

 

  
Total seed 

plated 

Fungal 
colonies 
resulting 

Proportion 
seeds 

affected 

Colonies  
extracted, 
amplified, 

and 
sequenced 

Number of 
fungal taxa 
identified 

E. mohavense – seed from caliche soil     

Control 33 27 0.82 10 4 

Runoff 33 25 0.76 2 2 

Shade 33 31 0.94 5 5 

E. wallacei – seed from gravelly bajada soil    

Control 36 11 0.31 5 3 
Runoff 36 9 0.25 1 1 

Shade 44 12 0.27 1 1 
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Table S2. 
Results from a binomial generalized linear model (GLM) evaluating fungal growth on 

plated seed by species, microhabitat, and fungicide treatment. 
 
 

  Sum Sq. Df F-value P-value 

Microhabitat 5.10 2 2.59 0.077 
Fungicide 1.72 1 1.74 0.189 
Species 75.93 1 77.07 < 0.001 
Microhabitat × Fungicide 2.43 2 1.23 0.294 
Microhabitat × Species 4.55 2 2.31 0.102 
Fungicide × Species 0.75 1 0.76 0.383 
Microhabitat × Fungicide × Species 3.96 2 2.01 0.137 
Residuals 200.00 203 NA NA 

 
 

Type III P-values were generated using the car package (Fox and Weisberg, 2011). 
Bold text indicates a significant difference at the P ≤ 0.05 level; italic text indicates a 

marginally significant difference at the P ≤ 0.10 level. 
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Table S3. 
Table of fungal taxa occurrences on plated E. mohavense and E. wallacei seed 

recovered from packets buried one growing season. E. mohavense seed was buried in 
caliche soil, and E. wallacei was buried in gravelly soil. Genus was assigned using 

Geneious Prime; Trophic mode, Guild, and Confidence rankings were generated from 
the FUNguild database. Dashes indicate no data were available. 

 # Detections:    

Genus 

E. 
mohavense 

seed  
E. wallacei 

seed  Trophic mode Guild 
Confidence 

ranking 

Alternaria 5 3 
Pathotroph-
Saprotroph-
Symbiotroph 

Animal 
pathogen - 
Endophyte - 
Plant pathogen - 
Wood 
saprotroph 

Possible 

Ascochyta 6 - Pathotroph Plant pathogen Probable 

Chaetomium - 1 
Pathotroph-
Saprotroph-
Symbiotroph 

Animal 
pathogen - 
Dung 
saprotroph - 
Endophyte - 
Epiphyte - Plant 
saprotroph - 
Wood 
saprotroph 

Possible 

Clarireedia 3 1 - - - 

Leohumicola - 1 Saprotroph Undefined 
saprotroph Probable 

Ophiobolus 1 - Saprotroph Undefined 
saprotroph Probable 

Psathyrella 1 - Saprotroph Wood 
saprotroph Probable 

Pseudogymnoascus - 1 
Pathotroph-
Saprotroph-
Symbiotroph 

Animal 
pathogen - Soil 
saprotroph 

Possible 

Pseudophiobolus 1 - - - - 
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Figure S1. 
Proportion of plated seeds exhibiting fungal growth by species and microhabitat. 
Numbers above bars show the total seeds plated for each microhabitat. Data from 
untreated as well as fungicide-treated packets are shown (we found no effect of 

fungicide treatment on fungal growth). 
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Appendix 3 

Supplementary Tables and Figures for Chapter 3 

Figure S1. 
Complex soil moisture and salinity gradients in the high marsh during Mediterranean 

summer on the central California coast (after Wasson et al. 2013, Fresquez, 2014). 
Low elevation marsh can survive where soils are inundated less than ~15% of the 

time, marked by a shift from mudflats to Salicornia pacifica. Frequent inundation in 
the low marsh maintains nearly constant levels of soil moisture and salinity. At mid-
elevation in the high marsh, rapid evaporation and infrequent inundation concentrate 
salts in the soil. Upland soils above the king tide line are never inundated, so salinity 
remains near zero and drought conditions develop over the course of the dry season. 
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Tissue water potential 

Jaumea measurements were within the known range for halophytes (-3 to -9 MPa, 

Larcher, 2003), while Frankenia water potential measurements were much more 

extreme and variable. Mean soil water potential was -10.7 MPa under plant canopies 

in field plots, and against this backdrop the Jaumea tissue mean was -3.5 MPa, while 

the Frankenia tissue mean was -22.6 MPa (averaged across watering treatments). 

Similar divergence in tissue water potential was observed for these species in the 

greenhouse (Appendix 3: Figure S6). Some of this divergence could be related to 

differences in the physiological strategies that halophytes use to cope with salinity 

and drought stress (Chen and Jiang, 2010). Frankenia uses salt glands to eliminate 

excess salt from tissues, and salt crystals were often clearly visible on leaf surfaces in 

the field and greenhouse (Campbell and Thomson, 1976; see photos in Appendix 3: 

Greenhouse experiments below). If variable quantities of crystals were dislodged 

during sample handling this could contribute to the observed variability of WP4 

measurements. Moreover, the WP4 measures water vapor that condenses out of 

solution on a chilled mirror, with the accuracy of measurements depending on the 

ideality of the solution (i.e., water molecules are presumed to greatly outnumber those 

of salts). If Frankenia tissue samples were salty enough to violate this assumption, 

measurements obtained through the WP4 would be rendered suspect. This concern 

prompted our comparison of the WP4 Dewpoint Potentiameter and Scholander 

pressure chamber methods, using paired stems collected from the field in fall 2019.  
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  We had difficulty acquiring stem water potential measurements for both 

species, with the nitrogen tank and pressure chamber equalizing before a reading 

could be obtained for 30% of samples. Lack of sufficient tank pressure could account 

for perhaps half of these failures – in the remainder of cases stems ruptured under 

applied pressure. Measurements from the WP4 were less extreme than observed in 

fall 2017, possibly related to more mesic conditions in 2019. Measurements from 

both instruments (Appendix 3: Table S1a) were within the known range of halophytes 

for Frankenia and Jaumea. However, measurements of Frankenia tissue were 

significantly different between instruments (Appendix 3: Table S1b, Figure S4a), 

while Jaumea measurements were strongly correlated (Appendix 3: Figure S4c). 

These results suggest that the WP4 may not yield reliable readings for salt-extruding 

species like Frankenia. 
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Figure S2. 
(a) We installed camera traps near heavily browsed Frankenia to identify herbivores; 

rabbits were the only vertebrates observed consuming tissue at these locations. (b) 
Characteristic stems clipping by rabbits. (c) A Tight plot in November 2017 (top), 

and the same plot in December 2017 (bottom) after heavy rabbit herbivory. (d) 
Counts of clipped stems in Loose versus Tight Frankenia plots in March 2018. 
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Greenhouse experiments 

Setup. – Conetainers were inserted into inverted styrofoam cups and received 

individual watering treatments to ensure independence of replicates. During growth 

surveys we counted the number of stems (apical meristems) present on each plant, 

including all basal and lateral stems at least 3 cm in length. We also measured the 

length of all stems present on each plant to the nearest half centimeter. These lengths 

were summed on a by-plant basis as a measure of total biomass present (shown in 

Appendix 3: Figure S7c, d). On final survival surveys plants were deemed “alive” if 

any green tissue was present, and dead otherwise. Frankenia was susceptible to aphid 

attack in the greenhouse, so we released ladybugs every two weeks to keep aphid 

populations under control.  

Water potential analyses. – Eleven conetainers in our experiment were 

extremely slow to drain, apparently due to a difference in the texture of field soil in 

those pots (affected pots included 10 soil blanks and 1 Frankenia pot). This drainage 

issue seemed likely to affect water potential measurements so we dropped these data 

points prior to analysis. We dropped 5 additional Frankenia conetainers due to 

concerns about the quality of tissue samples (affected individuals had plentiful aphid 

carcasses on stems, or mold growing on senescent plant material, neither of which 

could be easily removed). Finally, we obtained three water potential readings that 

were extreme outliers, one in each data set (soil blanks, Frankenia pots, Jaumea 

pots). We believe these outliers are the result of observation error and dropped them 

accordingly. After dropping all suspect data, we retained n ≥ 6 replicates for each 
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treatment in all data sets except the soil blanks. The drainage issues were 

concentrated in the non-drought freshwater treatment, and only n = 2 replicates 

remained. 

Plant growth analyses. – We dropped 6 Frankenia conetainers from growth 

analyses; 5 with clear signs of aphid attack and 1 with poor drainage, both of which 

may have affected growth. After dropping these data we retained n ≥ 6 replicates for 

each treatment.  

 

 
 

Left photo: greenhouse setup during pilot watering experiments on Frankenia and 
Jaumea (as well as other salt marsh species) conducted by Berman (2018). Right 

photo: salt crystals were commonly observed on Frankenia leaves in the greenhouse 
as well as in the field. The relative abundance of crystals in the greenhouse appeared 

to depend on the salinity of the watering treatment applied (we saw relatively few 
crystals on plants in the freshwater treatment, with increasing numbers of crystals in 
the 60% seawater and 100% seawater treatments). The plant shown above was in the 

60% seawater treatment. 
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Figure S3. 
Planting pattern had a marginally significant effect on Frankenia tissue water 
potential after thirty-two weeks of growth. The open boxplot shows the Loose 

treatment, and the filled boxplot shows the Tight treatment; medians and interquartile 
range are shown, with whiskers indicating the highest and lowest values excluding 
outliers. Daggers indicate a marginally significant difference at the P ≤ 0.10 level. 
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Table S1. 
(a) Mean and standard deviation for stem water potential measurements from a 

Scholander pressure chamber and tissue water potential measurements from a WP4 
Dewpoint Potentiameter for Frankenia and Jaumea. (b) Results from a linear mixed 

effects model testing for differences in tissue water potential on the basis of 
instrument used (Scholander pressure chamber versus WP4) and species (Frankenia 

or Jaumea). 
 

 
  Pressure chamber method WP4 method 

   n 
Mean 
(MPa) SD n 

Mean 
(MPa) SD 

a) Frankenia 8 -3.10 0.38 8 -4.57 0.97  
Jaumea 9 -2.40 0.61 9 -2.33 0.41  
       

   Predictor   F-value Df Df res. P-value 
b) Pressure chamber (Intercept)  721.71 1 15 < 0.001  

vs. WP4 Instrument  10.48 1 15 0.006   
Species  35.20 1 15 < 0.001  

  Instrument × Species 12.06 1 15 0.003 
 

 
Anova table includes Type III Wald F tests with Kenward-Roger degrees of freedom 
generated using the car package (Fox and Weisberg, 2011). Bold numbers indicate 

significant effects (P ≤ 0.05). 
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Figure S4. 
(a) Tissue water potential measurements obtained from the WP4 Dewpoint 

Potentiameter and a Scholander pressure chamber for Frankenia (pink boxplots) and 
Jaumea stems (yellow boxplots); asterisks indicate a significant difference at the P ≤ 
0.05 level. Boxplots show medians and interquartile range, with whiskers indicating 

the highest and lowest values excluding outliers. Correlation of measurements 
obtained from the WP4 and pressure chamber methods are shown in (b) for 

Frankenia (pink circles), and (c) for Jaumea (yellow circles). *** indicates a 
significant difference at the P ≤ 0.001 level. 
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Table S2. 
Mean percent cover values in November 2017, January 2018, and average percent 

change for Frankenia and Jaumea plots in each planting pattern and watering 
treatment combination. Cover losses for Frankenia were driven by rabbit herbivory. 

 

  Pattern Seawater n 
Nov 2017 

cover 
Jan 2018 

cover 
Average 
change 

Frankenia 

Loose Unwatered 13 19.44% 12.93% -30.22% 
Loose Watered 11 22.85% 13.01% -44.83% 
Tight Unwatered 11 11.11% 10.86% -7.06% 
Tight Watered 11 14.52% 9.72% -35.38% 

Jaumea 

Loose Unwatered 11 12.63% 16.67% 22.24% 
Loose Watered 10 16.94% 16.39% 0.39% 
Tight Unwatered 14 9.62% 10.81% 12.43% 
Tight Watered 10 10.00% 9.72% -0.93% 
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Table S3. 
Results from quasibinomial generalized linear model (GLM) evaluating effects of 

elevation, planting pattern (tight or loose), and plot type (planted with Frankenia or 
Jaumea) on final percent cover of colonizing exotic annual species in spring and 

summer 2018. 
 
 

  Predictor Sum Sq. Df F-value P-value 
Annuals – spring, summer 
2018 Elevation 139.32 1 13.04 0.001 
 Pattern 34.01 1 3.18 0.081 
GLM (quasibinomial) Plot type 2.91 1 0.27 0.604 
 Pattern ✕ Plot type 19.97 1 1.87 0.178 
  Residuals 502.12 47 NA NA 
 
 

Anova table includes Type III tests with error estimate based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011); non-significant 

interactions involving the Elevation covariate were dropped from models (see 
Methods – Data analyses for details). Bold numbers indicate significant effects (P ≤ 

0.05), and italics indicate marginally significant effects (P ≤ 

0.10). 
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Figure S5. 
Final Salicornia cover in (a) plots planted with Frankenia (pink) and Jaumea 
(yellow), and (b) unplanted controls for reference (black). Asterisks indicate a 

significant difference in Salicornia cover between Frankenia and Jaumea plots (P ≤ 
0.05). Boxplots show medians and interquartile range, with whiskers indicating the 

highest and lowest values excluding outliers. *** indicates a significant difference at 
the P ≤ 0.001 level. 
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Table S4. 
Linear model results for greenhouse watering treatment effects on water potential 
after 27 weeks of treatment. Water potential results are shown for bare soil in (a), 

Frankenia tissue in (b), and Jaumea tissue in (c). 
 

    Predictor Sum Sq. Df F-value P-value 
Water potential      
a) Bare soil (Intercept) 97.20 1 2143.31 < 0.001   

Drought 0.51 1 11.15 0.002   
Salinity 15.69 2 172.99 < 0.001   
Drought × Salinity 0.35 2 3.86 0.029 

    Residuals 1.95 43 NA NA 
b) Frankenia tissue (Intercept) 861.09 1 2810.87 < 0.001   

Drought 0.10 1 0.33 0.571   
Salinity 90.72 2 148.07 < 0.001 

  Drought × Salinity 0.09 2 0.14 0.870 
    Residuals 14.40 47 NA NA 

c) Jaumea tissue (Intercept) 248.92 1 1433.17 < 0.001   
Drought 0.01 1 0.04 0.844   
Salinity 16.60 2 47.79 < 0.001   
Drought × Salinity 0.66 2 1.89 0.163 

    Residuals 8.34 48 NA NA 
 
Anova table includes Type III tests using the car package (Fox and Weisberg, 2011). 

Bold numbers indicate significant effects (P ≤ 0.05). 
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Table S5. 
Results from generalized linear model evaluating greenhouse watering treatment 

effects on Jaumea survival to the end of the experiment (no Frankenia plants died in 
the greenhouse). 

 
 

  Predictor Sum Sq. Df F-value P-value 
Jaumea Drought 0.00 1 0.00 1 
 Salinity 8.25 2 11.14 < 0.001 
 Drought ✕ Salinity 0.00 2 0.00 1.000 
  Residuals 20.00 54 NA NA 

 
 

Anova table includes Type III tests with error estimate based on Pearson residuals 
generated using the car package (Fox and Weisberg, 2011). Bold numbers indicate 

significant effects (P ≤ 0.05). 
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Table S6. 
Linear mixed model results for greenhouse watering treatment effects on growth after 

27 weeks of treatment. Growth results are shown in (a) for Frankenia, and (b) for 
Jaumea. 

 
    Predictor F-value Df Df res. P-value 
Growth      

a) Frankenia (Intercept) 2638.57 1 48 < 0.001   
Drought 4.98 1 48 0.030 

  Salinity 4.92 2 48 0.011 

  Survey 9.38 3 144 < 0.001 
  Drought × Salinity 1.93 2 48 0.156 
  Drought × Survey 0.16 3 144 0.926 
  Salinity × Survey 1.91 6 144 0.083 
    Drought × Salinity × Survey 1.11 6 144 0.362 

b) Jaumea (Intercept) 432.19 1 47 < 0.001 
  Drought 0.05 1 47 0.826   

Salinity 7.40 2 47 0.002 
  Survey 1.32 3 140 0.272 
  Drought × Salinity 0.07 2 47 0.932 
  Drought × Survey 0.40 3 140 0.751 

  Salinity × Survey 8.09 6 140 < 0.001 
    Drought × Salinity × Survey 1.27 6 140 0.275 

 
 
Anova table includes Type III Wald F tests with Kenward-Roger degrees of freedom 
generated using the car package (Fox and Weisberg, 2011). Bold numbers indicate 

significant effects (P ≤ 0.05); italics indicate marginally significant 

effects (P ≤ 0.10). 
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Figure S6. 
Water potential of soil (black), Frankenia tissue (pink), and Jaumea tissue (yellow) 

after 27 weeks of greenhouse watering treatments. Circles show the freshwater group, 
triangles the 60% seawater group, and squares the 100% seawater group in the 

Drought (left) and Non-drought (right) treatments. Post-hoc tests were conducted on 
estimated marginal means using the emmeans package (Lenth, 2019), with Tukey 

adjustments applied to comparisons across salinity treatments within each Drought or 
Non-drought data set for soil, Frankenia, and Jaumea. Color-coded letters indicate 
significant differences between salinity treatments within each data set. The water 

potential of pure seawater, -2.89 MPa, is indicated on the y-axis for reference. Error 
bars show 95% confidence intervals. 
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Figure S7. 
Survival and growth results after 27 weeks of watering treatments in the greenhouse –

in each pair of panels, the Drought treatment is shown on the left, and the Non-
drought treatment on the right; progressively darker colors indicate increasing 

salinity. The proportion of plants surviving across watering treatment is shown in (a) 
for Frankenia and (b) for Jaumea. Cumulative stem length (the sum of stem lengths 

per plant) is shown for both watering treatments in (c) for Frankenia and (d) for 
Jaumea; circles indicate the freshwater group, triangles the 60% seawater group, and 

squares the 100% seawater group. Post-hoc tests were conducted on estimated 
marginal means using the emmeans package (Lenth, 2019), with Tukey adjustments 

applied to comparisons across salinity treatments within each survey period. * 
indicates significant differences (P < 0.05), and the color-coding of asterisks indicate 

which treatments differ (e.g., in panel (c) the first pair of asterisks are medium and 
light pink, indicating a significant difference in size between the 60% seawater and 

freshwater groups. The third asterisk is medium pink, indicating plant size in the 60% 
seawater group differs from both of the other treatments). The larger size of 

Frankenia in the 60% seawater group at the start of the experiment was the result of 
random chance (watering experiments were initiated in March, so it cannot be a 

treatment effect). Error bars show standard deviation. 
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