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Abstract 

 

Proper site selection for CO2 geologic storage requires assessing the impact of potential 

leakage of CO2 from deep subsurface reservoirs to overlying drinking water aquifers. 

Although recent studies have largely focused on the mobilization of trace elements in 

response to the intrusion of CO2 into such aquifers, in this paper we investigate two other 

leakage issues and potential effects on groundwater quality: the transport of organic 

compounds by supercritical CO2 from deep storage reservoirs and the upward migration 

of CO2 with co-injected H2S. Numerical simulations show that organic compounds that 

may be present at depth, such as benzene, could be mobilized by supercritical CO2 and 

migrate with the leaking CO2. Modeling results also show that upon the transport of 
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CO2+H2S mixtures through a hypothetical leakage pathway, H2S arrival in the shallower 

aquifer is delayed in comparison with that of CO2 due to the preferential dissolution of 

H2S into the aqueous phase. The potentially adverse impacts of leakage on shallow 

groundwater quality may be exacerbated for cases of leaking CO2+H2S, compared to 

intrusion of pure CO2, possibly leading to the mobilization of thiophilic elements such as 

arsenic. Geochemical reactions included in the simulations involve adsorption/desorption, 

reductive dissolution of goethite, precipitation of pyrite, siderite, and arsenic sulfide 

phases. The models presented are generic in nature, exploring important processes 

regarding organic compounds and co-injected H2S, and calling attention to the need for 

more site-specific studies taking into account the variability and uncertainty of key 

hydrogeologic and geochemical parameters. 

 

1. Introduction 

 

CO2 capture and geologic storage is being considered as a potential mitigation measure to 

rising anthropogenic emissions of greenhouse gases. The feasibility of geologic storage 

requires not only the assessment of deep reservoir integrity, but also must consider the 

impact of potential CO2 leakage from deep subsurface reservoirs on overlying 

groundwater aquifers to ensure the safety of drinking water resources at these locations. 

The leakage of CO2 could affect overlying potable aquifers in several ways. First, the 

dissolution of CO2 in water increases the concentration of dissolved carbonic acid and 

thus increases acidity, which could mobilize trace elements through mineral dissolution, 

desorption reactions, and/or exchange reactions involving H+ and other mobilized 
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constituents (e.g., Aiuppa et al., 2005; Zheng et al., 2009; Kharaka et al., 2010; Little and 

Jackson, 2010; Wilkin and Digiulio, 2010; Zheng et al., 2012; Trautz et al., 2012). In 

addition, the increased dissolved CO2 concentrations could result in desorption of metals 

such as arsenic by competitive sorption of carbonate ions (Appelo et al., 2002). Second, 

because supercritical CO2 (SCC) is also an excellent solvent for organic compounds 

(Anitescu and Tavlarides, 2006; Kharaka et al., 2009), concerns have been raised about 

the potential mobilization of organic constituents from depth and subsequent transport to 

shallow drinking water bodies via leakage pathways. Third, the co-injection of H2S in 

geologic sequestration operations is being considered because the burning of fossil fuels 

can emit significant amounts of H2S and SO2 (which disproportionates into H2S and 

H2SO4) in addition to CO2. Because the separation of these gas impurities from power 

plant effluents is quite costly, and their release to the atmosphere is environmentally 

harmful, it may be advantageous to consider co-injecting these gases. If the co-injection 

of H2S is deployed, the impact of CO2+H2S leakage from deep saline reservoirs to 

overlying shallow aquifers is also a question that the scientific community must answer 

for the public.  

 

Recently, the potential mobilization of trace elements in response to CO2 intrusion into 

potable groundwater has been investigated by laboratory experiments (McGrath et al., 

2007;  Smyth et al., 2009; Lu et al., 2010; Little and Jackson, 2010), natural analogues 

(e.g., Aiuppa et al. 2005; Flaathen et al. 2009; Keating et al., 2010; Arnorsson et al., 

2010), field experiments (Kharaka et al., 2010; Trautz et al., 2012) and numerical models 

(Wang and Jaffe, 2004; Carroll et al., 2009; Zheng et al., 2009; Apps et al., 2010; Wilkin 
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and Digiulio, 2010, Zheng et al., 2012). These studies helped for the understanding of the 

risk brought by CO2 itself. However, once leakage accurs, the CO2-rich phase could 

contains impurites such organics and co-injected H2S that jeoperdize groundwtater as 

well. To the best of our knowledge, little work has been conducted with respect to 

potential impact on groundwater from organic constituents and co-injectants such as H2S. 

For example, while the possible extraction of organic compounds by supercritical CO2 

inside deep reservoirs is a well-known phenomenon (e.g., Kharaka and Hanor, 2007), the 

potential for groundwater contamination from mobilized organic constituents transported 

to shallow aquifers has not been studied, to our knowledge.  Kharaka et al. (2009) 

advocated further investigation of this issue when elevated DOC concentrations were 

observed in the injection formation at the Frio test site in Texas. The effect of co-injected 

H2S on mineral trapping of CO2 and mineralogical alteration of reservoir host rocks has 

been investigated previously (Gunter et al., 2000; 2005; Knauss et al., 2005; Palandri and 

Kharaka, 2005; Palandri et al., 2005; Xu et al., 2007; Murphy et al., 2010; 2011, 

Lammers et al., 2011), but with focus on the geochemical evolution in the storage 

formation at relatively high temperature and pressure (T>70oC, P>150 bar). The behavior 

of co-injected H2S along a leakage pathway has been shown to be affected by 

chromatographic partitioning between CO2 and water (Bachu and Bennion, 2009; Bachu 

et al., 2009).  However the potential consequences of CO2+H2S mixtures intruding into a 

shallow groundwater aquifer have remained largely uninvestigated. 

 

In this paper, we evaluate the aforementioned issues related to organic compounds and 

co-injected H2S by means of three exploratory numerical simulations. The first model 
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considers a storage formation, an overlying aquifer, and a leakage pathway between them, 

to simulate a hypothetical scenario in which trace benzene in deep formations is 

mobilized by CO2 injection, then transported vertically along a preferential pathway into 

an overlying shallow aquifer. The second model is setup in a similar fashion as the first 

one, but was developed to study the fate of H2S in the storage formation and its behavior 

along a potential leakage pathway. The third model builds on a study by Zheng et al. 

(2009).  The intrusion of CO2+H2S mixtures into a shallow fresh water aquifer is 

simulated to examine the interaction of CO2+H2S with metal-bearing sediments in the 

aquifer.  

 

The objective of this paper is to bring attention to potential reactive processes 

accompanying the migration of CO2 from a deep storage reservoir to overlying shallow 

dilute water aquifers, and to illustrate these processes using rather simplified numerical 

models that should be regarded as more qualitative than quantitative. Our goal is not to 

make predictions for any particular storage sites, but to point to the need for more site-

specific studies regarding potential co-migration of organic compounds and H2S with 

CO2 from deep storage reservoirs, and resulting impact to overlying drinking water 

aquifers. We start with a brief introduction of the simulation tool and then present the 

aforementioned three models separately, followed by some concluding remarks.  Further 

details on this study can be found in an unpublished report conducted by the authors for 

the U.S. Environmental Protection Agency (Zheng et al., 2010). 

 

2. Simulator --- TMVOC_REACT 
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The modeling work presented in this paper is conducted with TMVOC_REACT, a 

simulator that links TMVOC (Pruess and Battistelli, 2002) and TOUGHREACT (Xu et 

al., 2006). TOUGHREACT (Xu et al., 2006, 2011) is a numerical simulation program for 

chemically reactive nonisothermal flows of multiphase fluids in porous and fractured 

media. The program was developed by introducing reactive chemistry into the multiphase 

fluid and heat flow simulator TOUGH2 (Pruess et al., 1999). A variety of subsurface 

thermo-physical-chemical-biological processes are considered under a wide range of 

hydrological and geochemical conditions.. In TMVOC_REACT, the fluid and heat flow 

simulator in TOUGHREACT was replaced with TMVOC (Pruess and Battistelli, 2002), a 

numerical simulator for three-phase nonisothermal flow of multicomponent hydrocarbon 

mixtures in variably saturated heterogeneous media.  

 

TMVOC was initially designed for studying subsurface contamination by volatile organic 

compounds (VOCs), such as hydrocarbon fuels and industrial solvents. In the TMVOC 

formulation, the multiphase system is assumed to be composed of water, noncondensable 

gases (NCGs), and water-soluble volatile organic chemicals (VOCs). The number and 

nature of NCGs and VOCs can be specified by the user. NCGs currently available 

include O2, N2, CO2, CH4, ethane, ethylene, acetylene, and air (a pseudo-component 

treated with properties averaged from N2 and O2). Thermophysical property data for 

VOCs must be provided by the user. The fluid components may partition (volatilize 

and/or dissolve) among gaseous, aqueous, and NAPL phases. Any combination of the 

three phases may be present, and phases may appear and disappear in the course of a 

simulation. 



 7

 

In TMVOC_REACT, gas partial pressures and fugacity coefficients computed from the 

flow module (TMVOC) are passed to the geochemical module (-REACT) for calculating 

dissolved concentrations in water. The routine GASEOS (Reagan and Oldenburg, 2006; 

Moridis et al., 2008) was incorporated into TMVOC_REACT for computation of multi-

component gas mixture properties, including new parameters and formulations for the 

phase partitioning of benzene and H2S in addition to CO2, as discussed later. The 

GASEOS routine incorporates several standard cubic equations of state such as Redlich-

Kwong (RK), Peng-Robinson (PR), and Soave-Redlich-Kwong (SRK) (e.g., Orbey and 

Sandler, 1998). Consumption or production of components from the solid phase is 

coupled back to fluid flow, but lagging one time step to avoid time-consuming 

computation of partial derivatives (explicit coupling). This approach preserves the 

accuracy of mass balances and is accurate enough for most simulated problems. Changes 

in porosity and permeability due to mineral dissolution/precipitation computed by the 

chemical module are fed back to the flow module for next-time-step calculations.  

 

3. Transport of organic compounds in a hypothetical leakage scenario 

 

The solvent properties of SCC for organic compounds have long been recognized and are 

one of the reasons CO2 flooding of hydrocarbon reservoirs has been practiced for years to 

enhance oil recovery (e.g., Bondor, 1992). SCC has also been lauded as an 

environmentally friendly solvent, and its use to decontaminate soils impacted by 

hazardous organic compounds is regarded as a “green” cleanup technology (e.g., 

Anitescu and Tavlarides, 2006; Green and Akgerman, 1996; Hauthal, 2001; Smyth et al., 
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1999) because it avoids the use of other more hazardous solvents. Given these 

considerations, there are good reasons to evaluate the potential for mobilization of 

organics from deep storage reservoirs to overlying freshwater aquifers upon leakage from 

CCS operations. TMVOC_REACT was used to assess the potential for SCC (1) to 

mobilize and transport organic compounds in deep geologic formations (using benzene as 

an example) and (2) to possibly contaminate potable groundwater if leakage occurred 

from depth into an overlying fresh water aquifer.   

 

3.1. Conceptual Mobilization Scenario  

 

The scenario considered in our modeling study is that of SCC being injected into a deep 

saline aquifer. Because SCC is less dense than water, some SCC migration is expected 

upward along the dip of the storage formation, up to a point where the SCC plume would 

become immobilized by a structural trap (e.g., low-permeability/porosity cap rock) and/or 

by capillary trapping as the SCC saturation decreases below the threshold residual 

saturation (e.g., Doughty and Pruess, 2005; Silin et al., 2009). Because SCC is a well-

known solvent for organics (e.g., Anitescu and Talvarides 2006), it is expected to 

dissolve organic compounds present in the storage formation and to transport these 

compounds within the confined CO2 reservoir. The main question being evaluated here is 

the extent of such transport, within the reservoir and in the event of leakage from the 

reservoir to shallower formations, for example through fault or fracture zones, or poorly 

plugged abandoned wells.  
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Solid-aqueous-SCC phase partitioning data is needed for each organic compound 

considered in the simulations. Because these data are lacking or highly uncertain for 

many compounds of potential interest, our study focused on benzene as a "proxy" 

compound, on the basis of the following considerations.  Organic compounds present in 

deep saline aquifers are seldom reported. However, their occurrence and concentrations 

in brines produced in the vicinity of gas and oil fields have been documented (e.g., 

RøeUtvik, 1999; Witter and Jones, 1999). From such studies, benzene, toluene, 

ethylbenzene, and xylenes (BTEX), polycyclic aromatic hydrocarbons (PAHs) and 

phenols were identified as potentially relevant candidates for our study. Obviously, many 

other organics could also warrant attention. Such compounds include carboxylic acids, 

which are commonly present at much higher concentrations (up to 5,000 mg/L) in oil 

field brines (Kharaka and Hanor, 2007) and are also expected in deep saline aquifers. 

Although these compounds are essentially nontoxic, they are good ligands for metal 

complexation, and their mobilization could exacerbate the release of trace metals upon 

SCC leakage into fresh water. Benzene was eventually selected for further investigation 

in this study because of: (1) its relatively low U.S. EPA Maximum Contaminant Level 

(similar to phenol but higher than PAH), (2) its high solubility in SCC (3-5 times higher 

than phenol and 2-5 orders of magnitude higher than PAHs), (3) its relatively high 

solubility in water (lower than phenol but higher than PAHs), and (4) its high partition 

coefficient between SCC and water (e.g. Ghonasgi et al., 1991).  

 

McAuliffe (1969) reported the dissolved hydrocarbon content of typical subsurface brines 

recovered by conventional drill-stem tests in exploratory wells, revealing a wide range of 
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values, from 0.86×10-3 to 8.65 mg/L. A study by Zarrella et al. (1967) provides additional 

data on benzene concentrations in oil field brines, ranging from undetectable to 18.6 

mg/L. These authors investigated the concentration of benzene in formation brines from 

development and wildcat wells at various distances from petroleum reservoirs and at 

various depths, covering barren and producing horizons. Their study shows that benzene 

concentrations decrease away from reservoirs, and away from producing horizons. These 

authors also observed that brine from a unit separated by only 90 ft of shale from an oil 

pool contained only traces (less than 0.02 ppm) of benzene. Sirivedhin and Dallbauman 

(2004) made similar observations in a study of benzene concentrations from the Osage-

Skiatook Petroleum Environmental Research site, Osage County, Oklahoma. In their 

study, the maximum concentration of benzene in produced water was found to be 0.53 

mg/L, whereas the concentration of benzene in groundwater above the production zone 

was only 0.001 mg/L. Based on these investigations, and the fact that our modeling study 

considers CO2 injection into a deep saline formation that is not necessarily in the vicinity 

of an oil reservoir, an initial benzene concentration of 0.001 mg/L is assumed in the 

targeted deep saline aquifer. Note that this value is 5 times smaller than the EPA-

regulated Maximum Contaminant Level for benzene (0.005 mg/L, 5 ppb) in drinking 

water.  

 

Other important parameters constraining the total amount of benzene that could be 

leached from a deep saline aquifer are (1) the amount of organic matter in the sediments, 

and (2) the amount of benzene associated with the organic matter. Kraemer and Reid 

(1984) mentioned that the bulk of organic matter amount in Gulf Coast sediments is 
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contained within shale and is generally small (0.31–1.0 wt.% total organic carbon). 

Organic matter concentrations in sandstones are typically much lower. In the current 

study, we conservatively assume that the deep saline aquifer is an impure sandstone 

containing 1.0 wt.% of organic matter as a generic “kerogen” phase. The amount of 

benzene in the kerogen is arbitrarily assumed to be 0.01 ppm, which corresponds to 1×10-

4 ppm benzene in the sediment.  The kerogen phase is treated in the model like a mineral, 

with a negligible dissolution rate given the short simulated time frames considered here 

(e.g., Freund and Kelemen, 1989), but the capacity to retain benzene via sorption.  The 

following generalized surface complexation reaction is used to express the distribution of 

benzene between the aqueous and solid (kerogen) phases: 

SOH-C6H6 = SOH + C6H6(aq)  logKscm = -1.9 

Where SOH-C6H6 represent a generalized sorbed benzene phase on the surface of 

kerogen, C6H6(aq) is aqueous benzene, SOH is the concentration of unoccupied sorption 

sites, all in units of mol/kgwater. Details on how Kscm was calculated are given in Appendix 

A.  The phase partitioning of benzene in SCC and water is computed from the GASEOS 

routine of TMVOC_REACT, using a modified Soave Redlich-Kwong (SRK) equation of 

state with parameters from Reid et al. (1986). 

  

 

3.2. Model setup 

 

Our modeling study uses a relatively simple conceptual setup intended for a more 

qualitative than quantitative purpose. Benzene is leached by SCC in a deep storage 
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formation and is subsequently transported by SCC along a vertical leakage pathway to a 

shallow aquifer. No solid-phase partitioning (sorption) is assumed to take place along the 

leakage pathway or in the shallow aquifer, thus maximizing aqueous benzene 

concentrations. The pressure and temperature path followed along the vertical pathway 

are controlled by hydrostatic pressure and a typical geothermal gradient (30oC/1000 m). 

It should be noted that TMVOC_REACT currently does not allow “flashing” from 

supercritical or liquid CO2 to gaseous CO2 conditions. For this reason, pressure and 

temperature, although decreasing along the leakage pathway, are kept within the 

supercritical or liquid domain.   

 

Figure 1 shows a schematic representation of the model setup including initial and 

boundary conditions. The 2-D cross section includes a deep storage formation, an 

overlying aquifer, and a leakage pathway that connects the two aquifers. The leakage 

pathway is simulated as a zone of high permeability. Aquitards are included in the model 

between the storage formation and the overlying aquifer, as well as above this aquifer. 

Pressures on the left and right (vertical) boundaries are fixed. A 1/100 gradient is 

imposed on the flow field with a regional gradient direction from left to right. CO2 is 

injected at a rate of 0.1 kg/s (~3.2 kt/y) in a well which is located 200 m from the left 

model boundary and is perforated through the entire storage formation (with the well 

simulated as a stack of model gridblocks). The bottom of the vertical leakage pathway is 

located 100 m downgradient of the injection point (300 m from the left model boundary). 

Hydrostatic pressure conditions are assumed initially. The pressure at the top of the 

model domain is around 20 bar and that at the bottom is about 200 bar. Temperature is 
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fixed to 21°C at the top and 75°C at the bottom of the modeled domain.  Table 1 lists the 

hydrogeological properties for the model. The leakage pathway is 6 m in width, and has 

the same properties as the storage formation, except for its permeability, which is one 

order of magnitude higher. The model domain is discretized with rectangle grid having 

uniform 10 m interval in the vertical direction. In the horizontal direction, the interval is 1 

m inside the leakage pathway and then becomes larger and larger when approaching the 

left and right boundary with a maximum of 20 m.   

The simulated time period is 3.5 years. At this point in time, the injected CO2 in the 

storage formation has migrated into the fracture zone, moved upwards due to buoyancy 

forces and the vertical pressure gradient, and spread out laterally within the overlying 

aquifer, almost reaching the left boundary of the model domain.  As discussed above, the 

initial benzene concentration in the aqueous phase is assumed to be ~ 1 g/L  in the 

storage formation (1.28×10-8 mol/kgwater), and is set arbitrarily four orders of magnitude 

lower in areas outside the storage formation (to 0.0001 g/L). Solid-phase (sorbed) 

benzene is assumed present only within the storage formation, and at a concentration of 

0.1 ppb in the sediments (1 wt% kerogen containing 0.01 ppm benzene).   

 

 

3.3. Model results 

 

The computed spatial distribution of SCC (“liquid”) saturation is shown in Figure 2. The 

injected CO2 is predicted to accumulate at the top of the storage formation and then move 

horizontally both up- and downgradient. When CO2 encounters the fracture, it migrates 
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upward and eventually enters the overlying aquifer. The pressure buildup changes the 

flow field in the overlying aquifer and consequently CO2 spreads laterally in both 

directions, towards the left and right boundaries.  

 

The computed spatial distribution of the benzene mass fraction in SCC is shown in Figure 

3. Because of the preferential partitioning of benzene into SCC, benzene in the storage 

formation is leached by the SCC from the aqueous phase and from sorption sites on the 

solid phase (kerogen). Benzene is then carried with the migrating SCC to the overlying 

aquifer. Because the aqueous solubility of benzene in contact with SCC is lower than the 

aqueous solubility of CO2, benzene is continuously enriched at the front of the SCC 

plume as it advances, thus with the tip of the plume showing the highest mass fraction of 

benzene.  

 

As shown in Figure 4, benzene is depleted from the aqueous phase in the vicinity of the 

the CO2 injection point in the storage formation, because it is stripped by SCC.  It is then 

introduced into the overlying shallow aquifer by the intrusion of benzene-laden SCC. The 

resulting benzene concentrations in the shallow aquifer after 3.5 years are on the same 

order of magnitude as the initial concentrations in the storage formation, with values up 

to 4.2×10-8 molal (~ 0.003 mg/L). At later times and with further migration in the shallow 

aquifer, these levels are likely to decrease due to diffusive/dispersive mixing. The 

predicted level of benzene contamination in the shallow aquifer (maximum concentration) 

depends mostly on the amount of benzene carried by SCC, which depends on the amount 

of benzene present at depth and SCC migration rates. Note that re-sorption of benzene 

onto sediments (organic matter) along the leakage pathway and in the shallow aquifer is 
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not considered, and therefore the computed benzene concentrations in the shallower 

aquifer are likely overestimated.  

 

The assessment of organic compound mobilization and transport by SCC in deep aquifers 

requires knowledge of the nature of phases associated with organics, as well as sediment 

sorption characteristics for these compounds. These properties are not only quite site 

specific, they are also mostly unknown. Therefore, these results should not be seen as 

actual predictions applying to any particular site, but more as an illustration that organic 

compounds such as benzene could be transported by SCC, should leakage occur, reaching 

levels in shallow aquifers that would be quite site specific.  

 

4. Transport of  Co-injected H2S in a hypothetical leakage scenario 

 

Laboratory work (Bachu and Bennion, 2009) has shown that gases contained in a CO2 

injection stream will chromatographically partition when in contact with the brine present 

in deep saline aquifers. As described in Bachu et al. (2009), chromatographic partitioning 

of various gases, when in contact with subsurface fluids, is not a new phenomenon. 

Actually, this phenomenon has been used extensively in the petroleum industry for inter-

well tracer tests to determine the oil saturation and reservoir properties between injection 

and observation wells (e.g., Illiassov and Datta-Gupta, 2002; Tang, 2005), and also for 

the detection and estimation of nonaqueous phase liquids (NAPLs) present in the 

groundwater and in the vadose zone at contaminated sites (e.g. Deeds et al., 2000). 

Numerical models (Bachu et al., 2009) have shown that the preferential H2S solubility in 
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brine compared to that of CO2 has a dominant effect on the chromatographic partitioning 

of these two gases, resulting in H2S being stripped off at the leading edge of the 

advancing front of the CO2+H2S supercritical mixture.  

 

The experimental and modeling work conducted by Bachu and Bennion (2009) and 

Bachu et al. (2009) was for column-scale systems. In addition, their experiments and 

corresponding numerical models were conducted under isothermal conditions and did not 

specifically address depth-dependent changes in pressure and temperature along a 

leakage pathway (e.g., a fracture zone or a fault).  Assuming a hydrostatic pressure 

gradient and a geothermal gradient of 30°C/1000 m, the difference between computed 

CO2 and H2S aqueous solubilities significantly narrows with decreasing depth (Figure 5). 

Therefore, the chromatographic separation effect observed by Bachu and Bannion (2009) 

is expected to decrease as the H2S+CO2 mixture ascends along a leakage pathway, which 

would quicken H2S breakthough into a shallow aquifer.  Given this observation, a 

hypothetical scenario of leakage along a preferential pathway (including declining 

pressures and temperatures along the flow path) was simulated to investigate how the 

breakthrough of H2S may be delayed compared with that of CO2. Ultimately, the 

modeling objective was to determine whether the preferential dissolution of H2S (1) 

could retard the arrival of H2S in a freshwater aquifer compared to the breakthrough of 

CO2, and (2) might reduce the maximum concentrations of H2S in the groundwater.   

 

 

4.1. Model setup 
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The model used for studying H2S fate is very similar to that used for benzene (Figure 1). 

The differences are that (1) benzene is not present in the model domain and (2) a CO2+ 

H2S mixture (95 and 5% by weight, respectively) is injected into the storage formation 

instead of pure CO2. The injection rate is assumed to be 0.1 kg/s (3.2×103 tonnes/year).  

The hydrogeological properties chosen for the model are the same as for the previously 

discussed model (Table 1). 

 

The key parameters are those affecting the phase partitioning of H2S and CO2, including 

the solubility of these gases in the aqueous phase at varying subsurface pressure and 

temperature conditions. The solubility of CO2 in water or brine is computed using 

routines from ECO2N (Pruess, 2005), a fluid property module for the TOUGH2 

simulator (Version 2.0) that was designed for applications to geologic sequestration of 

CO2 in saline aquifers. ECO2N implements the mutual H2O-CO2 solubility model of 

Spycher et al. (2003) and Spycher and Pruess (2005), which was thoroughly tested 

against a large number of experimental data. As done by Spycher et al. (2003) for CO2, 

the solubility of H2S in water is computed using “true” equilibrium constants (K) (i.e., 

directly related to the standard Gibbs free energy of reaction) rather than Henry’s law 

constants (KH). At equilibrium, the following reaction and corresponding equilibrium 

constant can be written:  

 2 ( ) 2 ( ) 2 ( ) 2 ( )/g aq H S aq H S gH S H S K a f    

where K is the equilibrium constant (pressure P and temperature T-dependent), f is 

fugacity in the gase phase (P, T, and composition dependent), and a is activity in the 

aqueous phase (P, T, and composition dependent as well). The thermodynamic model 
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presented by Duan et al. (2007) was used to calculate effective values of K as a function 

of temperature, pressure, and salinity, while the fugacity was computed using the 

modified SRK equation of state and parameters implemented into GASEOS. 

 

4.2.  Model results 

 

A period of 3.5 years of CO2+H2S injection is simulated, until the plume reaches the left 

model boundary in the overlying aquifer. The movement of the “gas” plume is similar to 

that shown earlier for the case of pure CO2 injection (Figure 2). After injection starts, the 

resulting plume accumulates at the top of the storage formation, moving both down- and 

upgradient from the injection point. When it encounters the fracture zone, it migrates 

upward, enters the overlying aquifer, and spreads out laterally into the shallow aquifer. 

 

The computed spatial distribution of H2S mass fraction in the supercritical fluid plume 

(compressed “gas” phase) is shown in Figure 6 (a). The preferential dissolution of H2S in 

the aqueous phase strips H2S from the edge of the advancing plume. Such preferential 

dissolution is more significant upgradient (left side of the plume), owing to the influx of 

H2S-undersaturated water. Along the path from the injection point to the fracture zone 

where the plume continuously moves, the mass fraction of H2S in the plume remains 

more or less constant and at the same value as the mass fraction at the injection point. As 

the gaseous H2S is stripped from the edge of the gas plume, the mass fraction of CO2 in 

the gas phase increases correspondingly (Figure 6b), thus showing the enrichment of CO2 

in the gas phase (relative to H2S) caused by this chromatographic partitioning.  
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Eventually, a gaseous CO2+H2S mixture with the same proportion of each component as 

the injected mixture is predicted to migrate through the fracture and to enter the overlying 

aquifer (Figure 6); however, the arrival of H2S is delayed. Figure 7 shows the time 

evolution of the H2S mass fraction in the plume at the bottom of the fracture zone where 

it connects to the storage formation (point A), and at the top of the fracture zone where it 

connects to the overlying aquifer (point B). The plume is predicted to arrive at point A 

after 0.84 years, migrate upward in the fracture, and arrive at point B after 2.05 years. 

The breakthrough curves for H2S show different trend for points A and B. The 

breakthrough curve at point A is characterized by a sharp initial increment in mass 

fraction followed by a slow increase after the mass fraction of H2S rises to about 0.04. 

The breakthrough curve at point B shows mass fractions that remain small at first (close 

to 0%, which means the arriving gas phase contains almost pure CO2), then sharply 

increase about 4 months after the plume first arrives, and eventually reach a plateau value 

close to 0.05 (the mass fraction of H2S in the injected stream). As seen from Figures 6 

and 7, the breakthrough of H2S is delayed, and the extent of the delay depends on travel 

distance and depth of the observation point (at point B, the plume contains nearly pure 

CO2 for about 4 months). 
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5. Impact of co-injected H2S on the quality of a fresh water aquifer  

 

The model simulations presented earlier indicate that the breakthrough of H2S co-

migrating with CO2 along a preferential pathway may be delayed compared to the arrival 

of the bulk compressed “gas” phase. At some point in time, however, the ratio of H2S to 

CO2 in the leaking compressed “gas” reaching an overlying aquifer is predicted to 

approach the same level as in the injected gas mixture. Therefore, the extent to which a 

leak of CO2+H2S (compared to a leak of pure CO2) would affect groundwater warrants 

further investigation. Obviously, the presence of H2S in water itself is a water quality 

issue, because of its high toxicity at elevated concentrations, “rotten egg” odor at low 

concentrations, and potential for oxidation to sulfuric acid resulting in acidification and 

further degradation of water quality. A concentration limit of dissolved H2S is not 

included in the EPA National Primary Drinking Water Regulations (the legally 

enforceable standards).  However, a standard is specified in the National Secondary 

Drinking Water Regulations (the non-enforceable guidelines regulating contaminants) as 

three times the threshold odor number (TON), which is variable but typically in the ppb 

range for water (e.g., Amoore and Hautala, 1983).  Therefore, the leakage of H2S with 

CO2 could easily lead to concentrations exceeding this low limit. 

 

Simulations are presented below to investigate potential effects of trace H2S leaking with 

CO2, focusing on thiophillic elements lead and arsenic in an anoxic environment.  
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Considering the effects of H2S oxidation by groundwater or atmospheric O2 was deemed 

beyond the scope of this study. Here, our main purpose is to compare model results for a 

case of CO2+H2S leakage with a case reported earlier involving only CO2 (Zheng et al., 

2009), for a very simplified “generic” aquifer, considering trace metals in solid solution 

with sulfide minerals as well as sorbed onto Fe(III) hydroxides.           

 

5.1. Model Setup 

 

The same model setup as that presented earlier by Zheng et al. (2009) and Apps et al. 

(2010) is used as a base case, the only difference being that a CO2+H2S mixture (instead 

of CO2 alone) intrudes into the aquifer, consequently allowing direct comparison of 

model results for the base case (H2S+CO2) with earlier model results (CO2 only). It 

should be noted that the assumed temperature and pressure conditions in the simulated 

aquifer in this case are 25°C and 5 bar.  

 

The model setup representing the shallow aquifer is shown in Figure 8.  It consists of a 

horizontal two-dimensional domain with a thickness Δz =10 m, with spatial discretization 

Δx =10 m and Δy = 10 m. The hydrogeological properties, as given in Table 2, are 

homogeneous and constant in time. The initial chemical composition of groundwater is 

given in Table 3, and was taken from Zheng et al. (2009). The host mineralogy of the 

aquifer is similar to that used therein (Appendix A), except that orpiment (As2S3) and 

(As4S4) are added to the list of potential secondary minerals that could form in cases of 

high sulfide concentrations.  
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Chemical reactions considered in the model include aqueous complexation, mineral 

dissolution/precipitation, and adsorption/desorption via surface complexation. Surface 

complexation reactions and their equilibrium constants for lead and arsenic on different 

minerals are listed in Appendix B.  The model assumes that As and Pb are initially 

present in sediments as sulfide minerals (arsenian pyrite and galena) as well as sorbed 

species onto goethite and clays (Table 4).  Arsenian pyrite is represented with the 

following reaction stoichiometry (where O2(aq) is used to thermodynamically balance 

electrons but is not a major component; see Zheng et al.,  2009):  

 

FeAs0.05S1.95 + 1.025 H2O + 0.0375 O2(aq) = 1.0000 Fe+2 + 0.1875 H+ + 0.2375 SO4
-2 + 

1.7125 HS- + 0.0500 H3AsO3(aq)  

 

As shown in Table 4, more than 99% percent of the lead is assumed to reside initially in 

galena. In contrast, adsorbed arsenic accounts for about 63% of the total initial mass of 

arsenic, which implies that the desorption of arsenic could have a larger impact than the 

desorption of lead.  Computed initial total loadings of these metals in the sediments (i.e., 

solid+sorbed) are about 28 ppm of arsenic and 10 ppm of lead.  These concentrations 

compare with average crustal abundance of about 2 ppm arsenic and 14 ppm lead 

(estimated Birkholzer et al., 2008) and typical concentrations in rock from various areas 

of the United States of 1.1–4.3 ppm arsenic and 5–17 ppm lead in sandstones, and 6.4–

9.0 ppm arsenic and 11–24 ppm lead in shales (Connor and Shacklette, 1975). Therefore, 

in the present study, the assumed abundance of arsenic in sediments may be rather high, 
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and thus expected to result in overestimated, rather than underestimated, predicted 

arsenic concentrations upon mobilization by H2S- and CO2-laden waters. 

 

The geochemical thermodynamic database used here is the EQ3/6V7.2b database 

(Wolery, 1993) with augmentation of arsenic oxyanions and arsenic and lead sulfide and 

selenide oligomeric complexes compiled from an earlier literature review (Birkholzer et 

al., 2008). Most constants are from this database with equilibrium constants for orpiment 

and realgar from Spycher and Reed (1989). The minerals and their kinetic data are given 

Appendix B.  

  

 

5.2. Model Results  

 

The total mass of the CO2+H2S gas mixture leaking into the aquifer is 7.9×10-5 kg/s, 95% 

of which is CO2 and 5% is H2S. This  leakage rate  is slightly higher than the pure-CO2 

injection rate assumed in Zheng et al. (2009) (7.5×10-5 kg/s); however, the spatial 

distribution of the gas phase is almost identical to that obtained for the case with pure 

CO2.  

 

Our simulations address the question of whether the presence of H2S in the gas mixture 

could exacerbate previously predicted CO2 impacts on shallow groundwater, as far as 

metal release from sediments. The dissolution of H2S in water increases the acidity of the 

solution because of deprotonation, as revealed in the following reaction— 
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 H2S(g) = H+ + HS-  

 

However the reductive dissolution of Fe(III) (hydr)oxides (Palandri and Kharaka, 2005; 

Palandri et al., 2005) as expressed by the following reaction: 

 

 FeOOH(goethite) + 1.875H+ + 0.125HS- = Fe+2 + 0.125SO4
2- + 1.5H2O  

 

consumes more proton than that being released by the dissolution of H2S and 

subsequently further buffers pH.  The precipitation of pyrite buffers pH as well. As a 

result, the pH of the groundwater in case of the leakage of an H2S+CO2 mixture (Figure 9)  

is slightly higher than the case of a pure-CO2 leakage.  

 

The spatial distribution of elevated aqueous sulfide (Figure 10) concentration is 

constrained by the precipitation of pyrite (Figure 11), which also indicates that pyrite 

precipitation sequesters a significant amount of sulfide. The total aqueous sulfide 

concentration consistently peaks at the injection locations (Figure 10), but the magnitude 

of the concentration at the peak decreases gradually as the rate of pyrite precipitation 

increases (the more pyrite forms, the larger the surface area it has and therefore the faster 

is the precipitation rate).  

 

The ferrous iron needed for the precipitation of pyrite comes from the reduction of ferric 

iron in goethite by aqueous sulfide. Pyrite precipitation competes with siderite 

precipitation for ferrous iron released by goethite dissolution. Also, a comparison 
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between Figure 11 and 12 reveals that siderite precipitates in areas where pyrite 

precipitation is impeded by low aqueous sulfide concentrations. Note that increasing the 

dissolution rate of goethite can yield overlapping precipitation of both pyrite and siderite 

(Zheng et al., 2010). This observation is in line with modeling findings by Palandri and 

Kharaka (2005), who show that the precipitation of pyrite progressively overlaps with the 

precipitation of siderite as the molar ratio of sulfur (SO2 in their case) to CO2 is increased. 

Batch experiments reacting hematite and CO2 with SO2 (Palandri et al., 2005) and 

sodium sulfide (Murphy et al., 2011) revealed the precipitation of both siderite and Fe 

sulfides, while similar experiments using ferrihydrite instead of hematite (Murphy et al., 

2010) lead to the precipitation of elemental sulfur instead of Fe sulfides.  This points to 

the effects of competing rates of Fe(II) and sulfide supply and consumption. Whether 

Fe(II) precipitates as pyrite preferentially to siderite depends on the relative precipitation 

rates of these minerals, the rate of precipitation of these minerals relative to the goethite 

dissolution rate, and whether elemental sulfur is allowed to precipitate or not. Here, for 

simplicity, sulfur precipitation is not considered, and although the precipitation of 

amorphous iron sulfide (FeS) is favored kinetically, it is not modeled on the basis that 

pyrite would eventually replace initially precipitated FeS. It should also be noted that in 

the experiments of Palandri et al. (2005), the abundance of iron (hydr)oxides is much 

higher than considered in our model, presenting more surface area, thus likely increasing 

the effective dissolution rates of these minerals.   

 

The predicted (total) aqueous concentration of lead at different times is shown on Figure 

13a. The interplay between desorption (increasing aqueous lead concentration) and 
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precipitation of galena (decreasing aqueous lead concentration) controls the spatial 

distribution of lead. A maximum peak concentration is observed at the intrusion location 

after 3.5 years, caused by fast (equilibrium) desorption coupled with slower precipitation 

of galena under kinetic constraints. With time, as the plume of elevated hydrogen sulfide 

propagates downgradient, the concentrations of lead decrease to very low values, owing 

to precipitation of galena with a more-than-sufficient supply of aqueous sulfide. A peak 

continues to show only at the tip of the aqueous sulfide plume, where the precipitation of 

galena is slower than the fast release of lead from sorption sites. The intensity of this 

peak, however, decreases with travel distance, to a point at which the lead concentration 

after 50 or 100 years is just about twice that of the initial concentrations. Model results 

show that the peak of lead concentration is significantly higher than the initial 

concentration (Figure 13a). 

 

The maximum aqueous lead concentrations obtained here for leakage of CO2+H2S 

mixtures is similar to that for the pure CO2 leakage case in Zheng et al. (2009). The 

reason is that the lead sorbed on minerals surfaces is the main source for the increase in 

aqueous lead concentration, and that the initial amount of lead residing on the mineral 

surfaces is very similar in both cases. In the pure CO2 intrusion simulation (Zheng et al., 

2009), galena precipitation occurs under most simulation conditions due to the release of 

lead from sorption sites, whereas galena dissolution occurs only when the concentration 

of sorption sites is very low. In the simulations with H2S+CO2 mixtures, the possibility of 

galena dissolution is essentially ruled out, because the increase in hydrogen sulfide 
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triggers the precipitation of galena regardless of whether lead is released from sorption 

sites or not.  

 

Figure 14 shows the profile of total adsorbed arsenic concentration. As shown in this 

figure, desorption is most significant at the intrusion location. A substantial amount of 

arsenic is released into the aqueous phase and transported downgradient (Figure 15). The 

aqueous complexation of arsenic with sulfide (e.g., Helz and Tossell, 2008) results in a 

much higher aqueous arsenic concentration than that for pure CO2 leakage case in Zheng 

et al. (2009) (Figure 15). As the groundwater plume with higher arsenic concentration 

moves downgradient, adsorption occurs at the edge of the plume (Figure 14) which 

lowers the concentration of arsenic at this location.  

 

As a result of the high arsenic concentrations and the elevated sulfide concentrations, 

both arsenian pyrite and orpiment precipitate (Figure 16).  The prominent desorption of 

arsenic results in high concentrations of arsenic in the aqueous phase (Figure 15), despite 

the precipitation of arsenian pyrite and orpiment. However, in this case, orpiment (As2S3) 

is assumed to form at a rather slow rate (Table A1). Because elevated arsenic 

concentration in sulfidic waters are typically limited by orpiment solubility, additional 

simulations assuming orpiment to form at equilibrium were also conducted.  These 

simulations show aqueous As concentrations about two orders of magnitude lower than in 

the present case. Furthermore, the amount of metals released from the sediments, and 

therefore the resulting aqueous concentrations, also largely depend on the initial 

concentration of metals in the sediments (Table 4).  As noted earlier, the initial loading of 
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arsenic in this case is on the high side, and thus is expected to yield predicted dissolved 

concentrations that are rather too high than too low.   

 

6. Summary and Conclusion 

 

In this study, reactive transport simulations were used to assess the mobilization and 

transport of organics with supercritical CO2 (SCC), and the co-injection and transport of 

H2S with SCC. These processes were evaluated at conditions of typical storage reservoirs, 

and for cases of hypothetical leakage from a reservoir to an overlying shallower aquifer. 

The simulations are intended to help evaluate and understand various processes at play, in 

a more qualitative than quantitative manner, and only for hypothetical scenarios.  

 

Numerical simulations were conducted to evaluate the possible mobilization of organics  

by SCC (with benzene as a proxy compound) from a deep storage formation to an 

overlying aquifer. Model results show that benzene preferentially partitions into SCC, 

and therefore could be depleted from deep formations and transported by SCC.  Given 

that SCC is a known solvent for organic compounds, these results by themselves are not 

surprising.  One important question is whether the transport of organics (benzene in this 

case) by SCC along a leakage pathway could impact overlying aquifers. Because SCC is 

buoyant in water, it has the potential to migrate upward through a fault or another 

preferential pathway. The mutual solubilities of the components involved (CO2, benzene, 

and water) change as a function of pressure and temperature, and therefore the 

partitioning behavior changes along the flow path.  Our results suggest that under the 
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conditions modeled here, benzene could co-migrate with CO2 into an overlying aquifer if 

a leakage pathway were present. Because the aqueous solubility of benzene in contact 

with CO2 is lower than the aqueous solubility of CO2, benzene is continuously enriched 

at the front of the advancing SCC plume. For the case studied here, which considered a 

1100 m long preferential pathway, the predicted aqueous benzene concentration 

mobilized by SCC leakage to the overlying aquifer is on the same order of magnitude as 

the initial benzene concentration in the storage formation. However, re-sorption of 

organics along the leakage pathways or within the impacted aquifer was not considered, 

likely overestimating the mobilization potential. Our simulations in this case are mainly 

intended to illustrate a case of mobilization, and demonstrate potentially useful modeling 

capabilities that could be applied to real systems.  Although this study considered, as an 

example, trace benzene concentrations in a deep formation, leaching of potentially larger 

amounts of organic compounds from organic-matter-rich reservoir clay caps should also 

be considered when evaluating the risk of groundwater contamination above storage 

reservoirs.  If models were used to evaluate the risk associated with organic compound, 

our confidence level would be higher if the following type of data is available: the 

concentration of BETX, phenol, PAHs in saline water and their abundance in solid phase, 

their partition coefficient under relevant pressure and temperature, and sorption capacity 

of organics in the caprock.  

 

Like benzene, the fate of H2S in a storage formation and its behavior along a potential 

leakage pathway are controlled by chromatographic partitioning between the gas (CO2) 

and the aqueous phase (brine). Because the solubility of H2S in water is higher than its 
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solubility in SCC, H2S tends to become depleted from the CO2 phase as the SCC plume 

advances. The main question in this case is whether H2S could be completely stripped out 

of the SCC plume before it reaches an overlying aquifer. Model results suggest that 

leakage pathways may allow co-migration of CO2+H2S despite the preferential 

dissolution (stripping) of H2S at the edge of the advancing CO2+H2S plume. Some delay 

is predicted between the CO2 and H2S times of arrival (into the shallow aquifer) caused 

by the preferential dissolution of H2S over CO2, although in our case this effect is 

temporary. At some point the effect of H2S stripping by groundwater is no longer 

noticeable, and H2S co-migrating with CO2 enters the aquifer at about the same 

concentration as in the CO2 stream injected into the deep formation. These results are 

expected to depend strongly on length of the leaking period and of the rate of fluid 

migration (mostly by advection) along the leakage pathway relative to the rate of 

migration/dissipation horizontally away from the pathway (typically mostly by diffusion). 

The relative extent of these processes depends on the respective hydrological properties 

of flow pathways and their surroundings. In this respect, our simulations are only 

showing that H2S could break through into a shallow aquifer under some conditions, and 

by no means indicate that this outcome would be expected under all leakage conditions.    

 

In addition to potentially adverse effects of H2S itself (i.e., odor and taste), our 

simulations suggest that the leakage of CO2+H2S into an anoxic aquifer could lead to 

higher arsenic release in groundwater than for cases of pure CO2 leakage scenario (e.g, 

Zheng, 2009) because of the formation of  stable As-sulfide aqueous species.  Obviously, 

the use of models alone to investigate an aquifer response to intrusion of CO2+H2S 
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mixtures (or even just CO2) is seriously limited, because such response depends on site 

specific conditions such as metal-sediment associations, groundwater composition and 

redox conditions, leakage rate versus regional groundwater flow rates, and many other 

hydrologic and geochemical parameters.  Here we have considered trace metals 

associated with sulfide minerals as well as sorbed onto Fe(III) hydroxides in an anoxic 

environment. Ongoing field and laboratory investigations by our group (Zheng et al., 

2012; Trautz et al., 2012)and others (Marcon et al., 2012)since the present study was 

conducted have shown that ion exchange and dissolution of minerals such as carbonates 

and clays are other mechanisms potentially leading to the release of metals in aquifers 

impacted by CO2. It should be noted that a recent field test involving the carbonation of a 

strongly reducing groundwater aquifer containing As and Pb-bearing sulfide minerals 

(Trautz et al., 2012) showed no noticeable As and Pb release after five months of 

injection of CO2-saturated groundwater, but release of Fe and alkaline earth metals 

attributed to ion exchange and/or desorption, or possibly to dissolution of Fe(II) sulfides, 

Fe(III) (hydr)oxides, clays, and/or trace carbonates. These studies point out the difficulty 

of generalizing anticipated effects of CO2 leakage on groundwater quality and the need 

for more site specific studies. Nevertheless, purely exploratory simulations such as those 

presented here are useful to investigate couplings between various hydrogeochemical 

processes and their potential effects on groundwater quality, and in doing so help guide 

research directions for more specific field and laboratory studies. 

 

Appendix A 
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The mass transfer between the aqueous and solid phases is a key process for leaching of 

benzene by CO2. The Kd approach is used to calculate the release of adsorbed benzene 

into the aqueous phase via the surface complexation model (SCM) capability 

implemented into TMVOC_REACT. This requires the conversion of Kd values to KSCM 

values, which represent sorption intrinsic equilibrium constants input into the simulator. 

Basically, the following reaction applies: 

 

 6 6 6 6SOH_C H   C H (aq)+SOH  (A1) 

 

where  is sorbed benzene concentration (the “surface complex”) and SOH is the 

concentration of unoccupied sorption sites, both in units of mol/kgwater. The (intrinsic) 

sorption constant is then given as:  

 

 6 6

6 6

[C H ][SOH]
=

[SOH_C H ]scmK  (A2) 

 

where brackets represent concentration (mol/kgwater), assuming ideal solution behavior. 

The total concentration of sorption sites is equal to the sum of [SOH_C6H6] and [SOH]. 

Considering that [SOH_C6H6] is much smaller than [SOH], the total concentration of 

sorption sites is roughly the same as [SOH]. The total mass of sorbing organic matter 

(ms
oc) and the mass of sorbed benzene (mS

i) can then be related directly to [SOH] and 

[SOH_C6H6] by: 

 

6 6S O H _ C H
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6 6

/[SOH]

[SOH_C H ] /

S
oc oc

S
i

m f Sd A

m W

 
  (A3) 

 

where Sd is sorption site density (mol/m2), A is specific surface area of the sorbent (m2/g) 

and W is the molecular weight of benzene. By combining Equations A2 and A3 the 

sorption constant Kscm can then be related to Koc as follows:  
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  (A4) 

 

Therefore, as shown in Equation (A4), one needs to estimate values of Sd, A, Koc and to 

calculate values of Kscm for input into the model. Baldi and Bargagli (1982) measured the 

specific area of marine sediments ranging from 10 to 40 m2/g. Kulp and Carr (1952) 

reported specific surface areas of deep-sea sediment ranging from 2.5 to 48 m2/g. Based 

on these values, we assume a specific surface area of 10 m2/g. A site density of 10-6 

mol/m2 is used as a starting point to yield an assumed 1×10-4 ppm benzene in the soil 

(about 0.01 ppm in kerogen) at an aqueous benzene concentration of 0.001 mg/L. A Koc 

value of 1.9 is selected (Karickhoff et al., 1979). Considering that foc values for natural or 

uncontaminated soil ranges from 0.0006 to 0.013 (Larsen et al., 1992, Donahue et al., 

1999), we assume a value of 0.01. Using these assumed values for Sd, A, Koc and foc, the 

calculated log Kscm based on Equation (A4) is –1.9. These data correspond to an initial 

ocf
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aqueous benzene concentration of 1.28×10-8 mol/kgwater (~0.001 mg/L), and adsorbed 

benzene concentration of 1.23×10-8 mol/kgwater (corresponding to 1×10-4 ppm in the 

sediment, and corresponding to 0.01 ppm in kerogen).  

 

Appendix B 

 

Table B1 shows the kinetic data adopted for all the minerals included in the simulation. 

Kinetic rate parameters for most rock-forming minerals were taken from Palandri and 

Kharaka (2004), which are based mainly on experimental studies conducted under far-

from-equilibrium conditions. The mineral reactive-surface areas were taken from Xu et al. 

(2007; 2006), based on the work of Sonnenthal et al. (2005). A thorough review and 

discussion of the kinetic rates for arsenian pyrite, pyrite, and galena was given in Zheng 

et al. (2009). The kinetic rates for orpiment and realgar were arbitrarily taken to be the 

same as those for arsenian pyrite. Tables B2 and B3 shows the surface complexation of 

lead and arsenic on different minerals.  
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Figure 1. Schematic representation of hypothetical 2-D simulation scenario. 

Figure 2. Computed spatial distribution of SCC (“liquid”) saturation after 3.5 years. 

Figure 3. Spatial distribution of benzene mass fraction in the compressed “gas” phase at 

1.5 years (a) and 3.5 years (b).  

Figure 4. Spatial distribution of the concentration of aqueous benzene (molal) after 3.5 

years 

Figure 5. Computed solubilities of CO2 and H2S in water as a function of depth, 

following temperature gradient of 30°C/1000 m and hydrostatic pressure gradient.  

Figure 6. Spatial distribution of the mass fraction of H2S (a) and CO2 (b) in the 

compressed “gas” plume after 3.5 years of injection. 

Figure 7. Time evolution of the H2S mass fraction (YH2S) in the compressed “gas” 

plume at the bottom of the fracture (A), where the fracture connects to the storage 

formation, and at the top of the fracture (B), where the fracture connects to the overlying 

aquifer.  
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Figure 8. Schematic representation of the reactive transport modelsetup 

Figure 9. Computed pH profile along x at y=0 at different times (the CO2+H2S mixture 

intrudes at x= 105 m).  a) CO2+H2S leak, b)Pure CO2 leak (from Zheng et al., 2009) 

Figure 10. Predicted total aqueous sulfide concentration profile (as HS–) along x at y=0 at 

different times (the CO2+H2S mixture intrudes at x= 105 m). 

Figure 11. Profile of the pyrite volume fraction change (dimensionless) along x at y=0 at 

different times. 

Figure 12. Computed profile of the goethite and siderite volume fraction change 

(dimensionless) along x at y=0 at 50 and 100 years. 

Figure 13. Computed profile of lead concentration along x at y=0 at different time (the 

CO2+H2S mixture intrudes at x= 105 m).  a) CO2+H2S leak, b)Pure CO2 leak (from 

Zheng et al., 2009).  

Figure 14. Computed profile of total sorbed arsenic concentrations along x at y=0 at 

different times. 

Figure 15. Computed profile of  total aqueous arsenic concentrations along x at y=0 at 

different times (the CO2+H2S mixture intrudes at x= 105 m).  a) CO2+H2S leak, b)Pure 

CO2 leak (from Zheng et al., 2009). 

Figure 16. Computed profile of the arsenian pyrite and orpiment volume fraction change 

(dimensionless) along x at y=0 at different times. 

 
 
Table 1.   Hydrogeologic properties for the base model 
Properties Values for deep storage 

formation, overlying aquifer
Values for aquitard 

Permeability (m2) 1.0×10-13 1.0×10-19

Porosity  0.20 0.05
Capillary properties  Van Genuchten function with 

m=0.46, =5.0×10-5 
Van Genuchten function with 
m=0.46, =5.0×10-7  
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Relative permeability Corey’s curve with zero 
residual gas saturation 

Corey’s curve with zero 
residual gas saturation 

Residual water saturation  0.3 0.3
 
Table 2. Hydrodynamic parameters. 

Porosity 0.3 

Intrinsic permeability 1×10-12 m2   (hydraulic conductivity of  0.86 m/day) 

Relative permeability  

(van Genuchten-Mualem model) 

20.4571/ 0.457* *1 1rlk S S
            

  

with * ( 0.3) /(1.0 0.3)lS S     

where Sl is the liquid saturation degree 

Gas relative permeability     2 2ˆ ˆ1 1rgk S S   with    ˆ 0.3 / 1 0.3 0.05lS S     

Capillary pressure function  1 0.4571/ 0.457*
5

1
1

5.1 10
capP S




       

  

with * / 0.999lS S  and subject to restriction 710 0capP    

Molecular diffusion coefficient  10-9 m2/s 

Tortuosity 0.3 

 
 
Table 3. Initial total aqueous concentrations in the aquifer (pore water), computed by assuming initial 
equilibrium with aquifer minerals listed  inTable B1. 
Species Concentration 

(mol/L) 
Species Concentration 

(mol/L) 
Ca 9 10-4 TIC 3.310-3 
Mg 2.210-5 SO4

-2 1.910-4 
Na 210-3 Cl 2.110-4 
K 2.710-4 Pb 1.310-9 
Fe 5.610-6 As 4.410-8 
HS- 1.4×10-8 HSe- 1.710-9 
Si 9.310-4 Eh -0.23 V 
pH 7.6 ionic strength 0.0051 
 
 
Table 4. Mass distribution (mol% with respect to the total mass at t=0) of lead and arsenic on 
solid (in mineral or adsorbed on mineral surfaces) and liquid phase at initial time (t=0). 

  

Aqueous 
Phase 
(%) 

Mineral 
(%) 

  

Adsorbed 
on goethite

(%) 

Adsorbed
on kaolinite

(%) 

Adsorbed
on illite 

(%) 

Adsorbed
on smectite

(%) 

Total 
Adsorbed 

(%) 

Total in 
sediments 

(ppm)  

Lead 0.003 99.89 0.01 0.002 0.04 0.0003 0.05 10.01 

Arsenic 0.01 36.80 8.49 4.54 38.26 11.90 63.19 28.39 

 
Table B1. Kinetic properties for minerals considered in the model (see text for data sources).  
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Mineral 
A  

(cm2/g) 

Parameters for Kinetic Rate Law 

Neutral Mechanism Acid Mechanism Base Mechanism 

k25  

(mol/m2/s) 

Ea 

(KJ 

/mol) 

k25 Ea n(H+) k25 Ea n(H+) 

Primary:          
Quartz 9.8 1.02310-14 87.7       
K-feldspar 9.8 3.8910-13 38 8.7110-11 51.7 0.5 6.3110-12 94.1 -0.823 
Oligoclase 9.8 1.4410-12 69.8 2.1310-10 65 0.457    
Kaolinite 151.6 6.9110-14 22.2 4.8910-12 65.9 0.777 8.9110-18 17.9 -0.472 
Smectite-Ca  151.6 1.6610-13 35 1.0510-11 23.6 0.34 3.0210-17 58.9 -0.4 
Illite 151.6 1.6610-13 35 1.0510-11 23.6 0.34 3.0210-17 58.9 -0.4 
Chlorite 9.8 3.0210-13 88 7.7610-12 88 0.5    
Kerogen-os  9.8 3.0210-13 88 7.7610-12 88 0.5    
Calcite Assumed at equilibrium 
Goethite 12.9 2.5210-12 62.76       
Arsenian 
pyrite 

12.9 2.5210-12 62.76       

Pyrite 12.9 2.5210-12 62.76       
Galena  12.9   2.3410-7 43.54 1    
Secondary:          
Dolomite   12.9 2.5210-12 62.76 2.3410-7 43.54 1    
Magnesite 9.8 4.5710-10 23.5 4.1710-7 14.4 1    
Ankerite 9.8 1.2610-9 62.76 6.4610-4 36.1 0.5    
Dawsonite 9.8 1.2610-9 62.76 6.4610-4 36.1 0.5    
Smectite-Na 151.6 1.6610-13 35 1.0510-11 23.6 0.34 3.0210-17 58.9 -0.4 
Pyromorphite  12.9 2.5210-12 62.76 2.3410-7 43.54 1    
Ferroselite  12.9 2.5210-12 62.76 2.3410-7 43.54 1    
Orpiment 12.9 2.5210-12 62.76 2.3410-7 43.54 1    
Realgar 12.9 2.5210-12 62.76 2.3410-7 43.54 1    
siderite 9.8 1.2610-9 62.76 6.4610-4 36.1 0.5    

 
Table B2. Surface complexation of lead on different minerals. 

Adsorbent 
Surface 

Complexes 
Reactions Log kint Reference 

Goethite Goe_OPb+ Goe _OPb+ + H+ = Goe_OH + Pb+2 0.5 (Muller and Sigg, 

1991) Goethite (Goe _O)2Pb (Goe _O)2Pb+2H+ = 2Goe_OH + Pb+2 6.24 

kaolinite Kao_OPb+ Kao_OPb+ + H+ = Kao_OH + Pb+2 -1.89 
(Hizal and Apak, 

2006) 

Illite Ills_OPb+ Ills_OPb+ + H+ = Ills_OH + Pb+2 -1.37 
(Gu and Evans, 2007) 

Illite Illw_OPb+ Illw_OPb+ + H+ = Illw_OH + Pb+2 3.84 

smectite Smes_OPb+ Smes_OPb+ + H+ = Smes_OH + Pb+2 -1.12 (Bradbury and 

Baeyens, 2005) smectite Smew_OPb+ Smew_OPb+ + H+ = Smew_OH + Pb+2 1.28 

 
 
 
Table B3.  Surface complexation of arsenic on different minerals. 
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Adsorbent 
Surface 

Complexes  
Reactions Log kint Reference 

Goethite Goe _H2AsO3 Goe _H2AsO3 + H2O = Goe _OH + H3AsO3 -5.19 (Dixit and 

Hering, 2003) goethite Goe _HAsO3
- Goe _HAsO3

- + H2O + H+ = Goe_OH + H3AsO3 2.34 

kaolinite Kao_H2AsO3 Kao _H2AsO3 + H2O = Kao _OH + H3AsO3 -8.23 (Manning and 

Goldberg, 

1997) 

kaolinite Kao _HAsO3
- Kao_HAsO3

- + H2O + H = Kao _OH + H3AsO3 0.664 

kaolinite Kao _OAsO3
2- Kao_AsO3

2- + H2O + 2H+ = Kao _OH + H3AsO3 13.67 

illite Ill_H2AsO3 Ill _H2AsO3 + H2O = Ill_OH + H3AsO3 -9.07 (Manning and 

Goldberg, 

1997) 

illite Ill _HAsO3
- Ill _HAsO3

- + H2O + H+ = Ill _OH + H3AsO3  -3.0 

illite Ill_AsO3
2- Ill_AsO3

2- + H2O + 2H+ = Ill_OH + H3AsO3 10.3 

smectite  Sme _H2AsO3 Sme _H2AsO3 + H2O = Sme _OH + H3AsO3 -8.89 (Manning and 

Goldberg, 

1997) 

smectite Sme _HAsO3
- Sme _HAsO3

- + H2O + H+ = Sme _OH + H3AsO3  4.65 

smectite  Sme _AsO3
2- Sme _AsO3

2- + H2O + 2H+ = Sme _OH + H3AsO3 13.7 

 
 
 
 

 
 
Figure 1. Schematic representation of hypothetical 2-D simulation scenario. 
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Figure 2. Computed spatial distribution of SCC (“liquid”) saturation after 3.5 years. 

 

 
(a)  (b) 
Figure 3. Spatial distribution of benzene mass fraction in the compressed “gas” phase at 1.5 years (a) 
and 3.5 years (b).  
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Figure 4. Spatial distribution of the concentration of aqueous benzene (molal) after 3.5 years 

 
Figure 5. Computed solubilities of CO2 and H2S in water as a function of depth, following temperature 
gradient of 30°C/1000 m and hydrostatic pressure gradient.  
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(a)             (b) 
Figure 6. Spatial distribution of the mass fraction of H2S (a) and CO2 (b) in the compressed “gas” plume 
after 3.5 years of injection. 

 

 
 
Figure 7. Time evolution of the H2S mass fraction (YH2S) in the compressed “gas” plume at the bottom 
of the fracture (A), where the fracture connects to the storage formation, and at the top of the fracture (B), 
where the fracture connects to the overlying aquifer.  
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Figure 8. Schematic representation of the reactive transport modelsetup 

 
(a)                                                                    (b) 
Figure 9. Computed pH profile along x at y=0 at different times (the CO2+H2S mixture intrudes at x= 
105 m).  a) CO2+H2S leak, b)Pure CO2 leak (from Zheng et al., 2009) 
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Figure 10. Predicted total aqueous sulfide concentration profile (as HS–) along x at y=0 at different 
times (the CO2+H2S mixture intrudes at x= 105 m). 

 

 
Figure 11. Profile of the pyrite volume fraction change (dimensionless) along x at y=0 at different times. 

 

 
Figure 12. Computed profile of the goethite and siderite volume fraction change (dimensionless) along x 
at y=0 at 50 and 100 years. 
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(a)                                                                      (b) 
Figure 13. Computed profile of lead concentration along x at y=0 at different time (the CO2+H2S 
mixture intrudes at x= 105 m).  a) CO2+H2S leak, b)Pure CO2 leak (from Zheng et al., 2009).  

 

 
Figure 14. Computed profile of total sorbed arsenic concentrations along x at y=0 at different times. 
 
 

  
(a)                                                                      (b) 
Figure 15. Computed profile of  total aqueous arsenic concentrations along x at y=0 at different times 
(the CO2+H2S mixture intrudes at x= 105 m).  a) CO2+H2S leak, b)Pure CO2 leak (from Zheng et al., 2009). 
 

0.0E+00

5.0E-09

1.0E-08

1.5E-08

2.0E-08

2.5E-08

3.0E-08

3.5E-08

4.0E-08

0 100 200 300 400 500

P
b

 c
o

n
c
e
n

tr
a
ti

o
n

 (
m

o
l/

k
g

)

Distance (m)

3.5 yrs

5 yrs

20 yrs

50 yrs

100 yrs

0.0E+00

5.0E-09

1.0E-08

1.5E-08

2.0E-08

2.5E-08

3.0E-08

3.5E-08

4.0E-08

0 100 200 300 400 500

P
b

 c
o

n
c

en
tr

at
io

n
 (m

o
l/k

g
)

Distance (m)

5 yrs

20 yrs

50 yrs

100 yrs

0.0E+00

5.0E-05

1.0E-04

1.5E-04

2.0E-04

2.5E-04

3.0E-04

3.5E-04

4.0E-04

4.5E-04

5.0E-04

0 100 200 300 400 500

T
o

ta
l a

d
so

rb
ed

 A
s 

(m
o

l/
kg

)

Distance (m)

5 yrs

20 yrs

50 yrs

100 ys

1.E-08

1.E-07

1.E-06

1.E-05

1.E-04

0 100 200 300 400 500

A
s 

co
n

ce
n

tr
at

io
n

(m
o

la
l)

Distance (m)

5 yrs

20 yrs

50 yrs

100 yrs

1.E-08

1.E-07

1.E-06

1.E-05

1.E-04

0 100 200 300 400 500

A
s 

co
n

ce
n

tr
at

io
n

 (
m

o
l/

L
)

Distance (m)

5 yrs

20 yrs

50 yrs

100 yrs



 56

 
Figure 16. Computed profile of the arsenian pyrite and orpiment volume fraction change (dimensionless) 
along x at y=0 at different times. 
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